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Abstract
Purpose of Review The increasing use of engineered nanoparticles (ENPs) has led to growing concerns about their envi-
ronmental impacts. It has become a focus for researchers to explore their detection, quantification, as well as their fate and 
transport, and hence their ecotoxicity. A review of recent findings sets a basis for current knowledge of ENP levels in the 
surface water environment and provides a perspective to understand their toxicity.
Recent Findings Among the various mechanisms of toxicity that have been evidenced by recent research, an important mecha-
nism that is shared by multiple ENPs is the generation of reactive oxygen species (ROS) and subsequent oxidative stress. 
Another common toxic effect is cell membrane damage from physical encounters or ENPs adsorbing onto the membrane. The 
ecotoxicity of ENPs is dependent on many factors; however, the ENP’s physiochemical characteristics and functional behav-
ior are two main groups. Additionally, the chemical composition and charge of ENPs are greatly influencing their toxicity.
Summary A critical overview of updated knowledge on the regulatory standards, environmental detection, and aquatic fate 
and ecotoxicity of ENPs with a special focus on the most environmentally affluent nanosized titanium dioxide (n-TiO2), 
cerium dioxide (n-CeO2), zinc oxide (n-ZnO), silicon dioxide  (SiO2), silver (n-Ag), and carbon nanotubes (CNTs) is presented 
in this article. Among the ENPs reviewed, n-Ag and n-TiO2 are more studied and the most ecotoxic; n-Ag dissociates into 
cations (Ag +) causing significant harm to organisms and cells, while light and pH notably influence the toxicity of n-TiO2.
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Introduction

Nanotechnology provides methods for restructuring mat-
ter at the nanoscale (~1 to 100 nm), the purpose of which 
is the development of nanomaterials with fundamentally 
new properties and functions due to their small structure. 
Applications of engineered nanoparticles (ENPs) have rap-
idly expanded. For example, metallic ENPs’ global market 
value is expected to reach 30 billion USD in the nearest 

future [1, 2], while the annual production of titanium diox-
ide (n-TiO2), one of the most common ENPs, is expected to 
reach 2.5 million tons by 2025 [3]. The increasing produc-
tion and use of ENPs in consumer products, evident from 
the increasing number of patents and scientific publications, 
are significantly correlated with the surge of ENPs found in 
the environment [4]. The escalated concentration of ENPs 
in the environment poses a concerning threat to the health 
of surface water ecosystems and, potentially, the treatment 
and quality of water and wastewater facilities. Relatively 
little is yet known about the amenability of ENPs to con-
ventional treatment operations such as coagulation and fil-
tration. The degree and kinetics of ENPs treatment fate in 
drinking water and wastewater systems are likely a function 
of the surface characteristics of carbonaceous adsorbents, 
metal coagulants, and/or filtration media. ENPs’ behavior in 
the environment is an emerging topic and has increasingly 
become the subject of studies over the past decade, trying to 
understand their unique physical, chemical, and biological 
properties in the environment [5, 6•]. The extremely small 
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dimensions of ENPs allow them to penetrate and accumu-
late in both aquatic and terrestrial organisms, animals, and 
human beings [6•]. However, it is a difficult task to assign 
certain toxicity to ENPs in natural environments as their 
behavior in the environment is not fully explored.

The scientific community and regulatory agencies are 
constantly finding ways to characterize the hazard, expo-
sure, and risk factors associated with ENPs. Although the 
importance and potential risk of ENPs have been acknowl-
edged, relevant regulations for the control of ENPs in the 
environment are lacking due to the absence of a comprehen-
sive and standardized risk analysis of ENPs [7]. The U.S. 
Environmental Protection Agency (EPA) requires product 
developers to review their nanomaterials before the pro-
duction of any such materials for commercial use. One of 
the most common ways of conducting a chemical review 
of new material is by using environmental fate simulation 
models. However, environmental fate models developed 
for traditional contaminants, like pesticides or hydropho-
bic organic chemicals, are limited in their ability to simu-
late the environmental behavior of ENPs due to incomplete 
understanding and quantification of the processes governing 
ENPs distribution in the environment [8]. Acknowledging 
the lack of environmental fate models for ENPs, the material 
and environmental communities are embracing the develop-
ment of new models or revising and testing existing model 
frames for simulating ENPs fate in the environment [9, 10]. 
Equally challenging is the lack of a standard technique and 
procedure to detect, quantify, and report the ENPs in the 
environment [5]. There is an immediate need to standardize 
procedures for detecting, characterizing, and categorizing 
ENPs’ ecotoxicity so that they can be appropriately regu-
lated and treated.

While many ENPs are being developed and used, accord-
ing to the World Health Organization, titanium dioxide 
 (TiO2), cerium dioxide  (CeO2), zinc oxide (ZnO), carbon 
nanotubes (CNTs) and silver (Ag) ENPs are among the top 
nine ENPs, by volume, commercially used in the market 
[11]. They are also among the nanomaterials that the EPA 
is studying to understand their implications on human and 
environmental health [12]. From the various studies on 
ENPs’ fate and toxicity, a basic understanding of how these 
NPs react with one another and other molecules in the envi-
ronment and how they affect organisms is being formed. 
Several main toxicity mechanisms have been evidenced, 
and particular environmental factors are influential on the 
fate and toxicity of certain ENPs [13••, 14]. However, there 
exists a vital knowledge gap to build a complete idea of 
how ENPs act in the environment and interact with other 
chemicals and organisms. Analytical techniques and report-
ing of the relevant data related to experiments to fill in this 
gap should be standardized for better mutual understanding 
across the spectrum of research space globally.

Literature has reported multiple review papers with a 
primary focus on the findings on the environmental fate 
and transport of ENPs and their treatability mechanisms in 
the water environment [15–18]. To our knowledge, there is 
no significant publication that consolidated field-detected 
ENPs in multiple natural water environments, while such 
information is essential as ENPs concentration is expected 
to influence their toxicity. To fill in the gap, for the first time 
this review provides insight into literature-reported field-
detected ENPs concentrations. Also, unlike previous lit-
erature which described the potential toxicity of ENPs, this 
review uniquely presents a critical comprehensive discussion 
on how environmental factors influence the toxicity of ENPs 
in humans and terrestrial and aquatic species. This review 
provides an in-depth understanding of current knowledge of 
the aquatic environmental occurrence, existing regulations, 
and toxicity of the ENPs, and hence future research thrusts 
to advance the knowledge for enhanced environmental man-
agement of the ENPs.

Environmental Detection and Regulatory 
Overview of ENPs

As is true in all other environments, the concentration of 
ENPs in aquatic environments is increasing. The ENPs’ con-
centration in freshwater is predicted to reach sixfold higher 
by the year 2050 [19•]. According to the Emerging Nano-
technologies Programs’ report, there are more than 1,600 
manufacturer nanotechnology commercial products on the 
market [20]. As more products emerge and nanotechnology 
grows, it is expected that these ENPs will consequently end 
up in wastewater and natural water bodies. The main sources 
of ENPs entering aquatic ecosystems include: nanoparticle-
containing products and the use of marine nanobiotechnolo-
gies to synthesize ENPs [21, 22], municipal and industrial 
wastewaters, and household processes, and the use of ENPs 
to purify wastewaters from pollutants [23], e.g., n-Ag is used 
to remediate wastewater because of its antibacterial proper-
ties and enhanced adsorption capacities [24]. It is generally 
understood that ENPs need to be measured in environmental 
conditions to obtain actual concentrations and therefore one 
can research their environmental risk at the environmen-
tal concentration. However, this is a difficult task primar-
ily due to the lack of easy and affordable technology with 
low detection limits sensitive to expected trace concentra-
tions of ENPs in the environment. Another major challenge 
is their inability to distinguish ENPs from other chemical 
forms (e.g., ions, dissolved) or from natural colloids. While 
it may not be comprehensive, Table 1 provides a summary 
of the real-field sample concentrations of ENPs in different 
water environments such that the information should provide 
a basis for setting realistic fate and transport and toxicity 
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testing protocols for future research. As shown in Table 1, 
there are different NPs analyzed and they have wide and 
varying ranges of concentrations in different aquatic envi-
ronments, i.e., rivers, rain waters, and wastewaters. Among 
the tested NPs, n-Ag is the most common across all aquatic 
environments with its concentration ranging from below the 
detection limit in Des Prairies river waters to 20.02 mg/L 
in Malaysian wastewaters. Not all reported concentrations 
are reported in weight-volume ratio, while some studies 
reported concentration as the number of particles per volume 
making direct comparison of detected ENPs concentration 
impossible. Also to note, not all ENPs have the same analyti-
cal technique for their detection and quantification.

There is significant published literature that discussed ana-
lytical techniques for ENPs in aquatic environments, with the 
predominant focus being methodological aspects for ENPs detec-
tion and fate characterization, often using controlled lab samples 
[15–18]. However, to our knowledge, no review literature identi-
fies analytical techniques used in real-field sample analysis for 

ENPs’ detection and quantification. Traditional analytical and 
characterization methods of ENPs in the environment include 
dynamic light scattering, electron microscope, nanotracking 
analysis [25, 26], energy-dispersive X-ray spectroscopy [27], 
ultraviolet–visible spectroscopy [28] and X-ray absorption near-
edge spectroscopy [29]. However, these techniques have high 
detection limits, so most are inadequately sensitive for detecting 
the actual environmental trace concentrations of ENPs [25, 26]. 
Single-particle inductively coupled plasma mass spectroscopy 
(SP-ICP-MS) is emerging as a promising analytical methodology 
to characterize and quantify size distribution, mass concentration, 
and particle concentration of metallic NPs in aquatic environ-
ments [30–32]. Cloud point extraction (CPE) is another emerg-
ing approach that separates metallic ENPs in an environmental 
sample as they co-exist with their bulk counterpart [33]. Notably, 
CPE is also ecofriendly and cost-effective with low toxicity and 
low solvent consumption [34]. Additionally, material flow analy-
sis models are a type of ENP exposure models that are currently 
used to derive predicted environmental concentrations [35].

Table 1  Literature-reported concentrations of ENPs detected or predicted using a dynamic material flow analysis model in water environments

ENP Environmental Water Sample Analytical Technique Result Reference

Ag Des Prairies river, influent 
and effluent of a wastewater 
treatment plant, Quebec, 
Canada

HDC-ICP-MS and HDC-SP-
ICP-MS

Below the limit of detection of 
0.03 µg/L

[36]

Ag Sewage Treatment Plant (STP), 
Malaysia

ICP-AES 0.13–20.02 mg/L [37]

Ag Multiple rivers, Malaysia ICP-AES 0.13–10.16 mg/L [37]
Ag-based Danube river, Germany ET-AAS 1–69.08 ng/L [38]
Ag and Au 3 rivers and 1 STP SP-ICP-MS, TEM Ag: 20 nm (min) Au: 19 nm 

(min) 8e + 4 particles/L
[33]

Au Dommel river, Netherlands HR-ICP-MS, SEM 0.02–0.35 µg/L [39]
CeO2 Freshwater (river), Northern 

Europe
Dynamic material flow analysis 

model
5.81–1,230 pg/L Mean: 

268 pg/L
[40]

Freshwater (river), 
Southeastern Europe

23.2–5,430 pg/L Mean: 
1,130 pg/L

SiO2 Freshwater (river), Northern 
Europe

Dynamic material flow analysis 
model

5.35–1,640 ng/L Mean: 
562 ng/L

Freshwater (river), 
Southeastern Europe

21.7–8,460 ng/L Mean: 
2,600 ng/L

TiO2 Wastewater plant influent, 
Maryland, USA

ICP-OES 21.6 ± 5.0 – 391.0 ± 43.0 μg/L [41]

Ti Dommel river, Netherlands HR-ICP-MS, SEM 0.6–1.6 µg/L [39]
Ti Drinking water sources, USA ICP-MS 3–2,400 µg/L [42]
Ce Drinking Water sources, USA ICP-MS 0.3–230 µg/L
Zn Dommel river, Netherlands HR-ICP-MS, SEM 40–110 µg/L [39]
ZnO Yamaska river, Canada SP-ICP-MS, TEM 26 ng/L, 78 nm [2]

Rain, Quebec, Canada SP-ICP-MS, TEM 5 ng/L, 71 nm
ZnO Wastewater plant influent, 

Maryland, USA
ICP-OES 20.0 ± 12.0 – 212.0 ± 53.0 μg/L [41]

Fullerenes (C60 and 
C70 fullerenes and 5 
functionalized fullerenes)

25 rivers and 12 river 
sediments

HR-ICP-MS 2.9–17 pg/L [43]

11 wastewater plant effluents HR-ICP-MS 3.2–31 pg/L
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As indicated in Table 1, other analytical techniques used 
for detecting ENPs include inductively coupled plasma 
atomic emission spectroscopy (ICP-AES), electrothermal 
atomic absorption spectroscopy (ET-AAS), high resolution 
inductively coupled plasma mass spectroscopy (HR-ICP-
MS), scanning electron microscopy (SEM), transmission 
electron microscopy (TEM), hydrodynamic chromatogra-
phy inductively coupled plasma mass spectroscopy (HDC-
ICP-MS), hydrodynamic chromatography single-particle 
inductively coupled plasma mass spectroscopy (HDC-SP-
ICP-MS), and inductively coupled plasma-optical emission 
spectrometry (ICP-OES). Despite how promising these new 
technologies seem, they are in their infancy, relatively, and 
often require expensive and complex instruments. One thing 
is certain, knowing the actual concentrations of ENPs in the 
environment is tantamount to understanding the risks and 
hazards of ENPs.

The presence of ENPs in water is an emerging concern 
for federal and state agencies. There are no clear regula-
tory standards that cover the spectrum of ENPs from their 
manufacturing to use to disposal creating uncertainty for 
not only nanopollution management but also future fund-
ings, and research to develop new nanomaterial and relevant 
technologies [44]. The primary reason for that is due to the 
uncertainty of emerging nanomaterial properties and tech-
nologies that employ nanomaterials. However, progress has 
been made to develop scientific data to confirm the risk from 
emerging nanomaterial and products containing nanomate-
rial but such data are yet to be conclusive. Regulatory agen-
cies are also having to catch up to update their standards 
to the current knowledge of scientific data. Countries and 
international organizations such as the Global Coalition for 
Regulatory Science Research, established in 2013 and com-
prising of regulatory bodies from ten countries including the 
United States of America and the European Union (EU), are 
trying to design guidelines and standards for toxicity evalu-
ation and regulation plans; some of these standards being 
implemented are non-binding [7, 44, 45]. Here we discuss 
prevalent regulatory guidelines on ENPs that are not neces-
sarily applicable to surface water quality standards.

The U.S. Food and Drug Administration (FDA) acknowledges 
that attributes of nanomaterial-enabled products may differ from 
the conventional products without nanomaterial, and thus recom-
mends evaluations of the safety of FDA-regulated products that 
include nanomaterials or nanotechnology and should consider the 
unique properties and behaviors that nanomaterials may exhibit 
[46]. The FDA considered regulating nanoproducts under exist-
ing statutory authorities, which have established guidelines tar-
geting the safety, effectiveness, and quality of the FDA-approved 
products containing ENP, following the specific legal standards 
applicable to each type of product under its jurisdiction but not 
based on nanomaterial themselves [46]. Most of the ENPs are 
labeled as “chemical substances" and categorized under the 

Toxic Substances Control Act (TSCA), subsequently subject to 
the requirements of the Act. Among these, CNTs are already 
required to be reported under Sect. 5 of TSCA. EPA also issued 
a one-time reporting rule, under TSCA Sect. 8(a), for the ENPs 
that are existing compounds. In 2016, to ensure the safety of the 
manufacturing and consumption of ENPs, EPA initiated an inclu-
sive regulatory approach under TSCA including an information-
gathering rule on new and existing nanomaterials and premanu-
facture notifications for new nanomaterials. While there exist no 
maximum contaminant level goals or maximum contaminant 
levels, ENPs could also be regulated under the Safe Drinking 
Water Act if they are exposed to drinking water or injected into 
a well. The ENPs could also be regulated under various other 
regulatory mechanisms including but not limited to the Com-
prehensive Environmental Response, Compensation Liability 
Act also known as the Superfund, Resource Conservation and 
Recovery Act, and Clean Water Act.

Furthermore, in 2007 the Europe Union established 
new legislation for managing chemicals called REACH 
(Regulation, Evaluation, Authorization, and Restriction 
of Chemicals) as well as the European Chemicals Agency 
(ECHA). The ECHA has been working to ensure consist-
ency throughout the EU countries concerning chemicals and 
safety. ECHA offers a database where companies can report 
and store information on the properties of chemicals, as well 
as a website interface, where the general public can find 
information on the types of chemicals being produced in the 
EU. As of January 2020, “explicit legal requirements” under 
the REACH legislation apply to companies that manufacture 
and import nanoforms, and they are as follows: characteriza-
tion of nanoforms, chemical safety assessment, registration 
information requirements, and downstream user obligations 
[47].

Environmental Transformation and Toxicity

Due to the expected toxic nature of ENPs, their release 
into surface waters merits concern about how to control 
them in these aquatic environments. Control of ENPs in 
surface water systems is expected to be affected by their 
environmental transformational processes such as chemical 
and photochemical processes, physical and biological pro-
cesses, and interactions with other surfaces and substances. 
The ENPs’ stability in a water environment is expected to 
be affected by several parameters such as ionic strength, 
water chemistry, water temperature, flow velocity, and the 
presence of natural organic matter (NOM), as well as parti-
cle properties such as surface charge, surface area, surface 
chemistry, and particle size [5, 48]. When compared to 
their bulk chemicals, ENPs show different physicochemical 
properties that, on the one hand, make them attractive for 
different applications but, on the other hand, equally make 
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them much more complex to assess in terms of their fate 
and transport in environmental media and their treatment 
[49, 50]. Also, the ecological behavior of ENPs often dif-
fers from their bulk counterparts and the understanding of 
ENPs’ ability to bind and interact with biological systems 
is complex [13••]. Additionally, increasing evidence has 
suggested that ENPs rarely exist in a pristine condition, 
i.e., not exactly how they are manufactured; instead, they 
undergo many transformations in the environment [51–53]. 
Due to their nanoscale dimensions and a large surface area 
to volume ratio with a high adsorption capacity, ENPs are 
highly reactive with other chemicals such as heavy metals 
and NOM in the environment [54, 55].

ENPs’ ecotoxicity may be affected by their environmen-
tal transformation which also depends on water chemistry 
[56••]. For example, NOM is composed of hydrophobic 
and hydrophilic components and bears net negative charges 
due to the deprotonation of carboxyl groups [57]; therefore, 
NOM could theoretically mitigate the toxic effects of ENPs. 
As evidence has shown that positively charged ENPs and 
ions seem to cross cell membranes easier than negatively 
charged and neutral ENPs, and subsequently bind to nega-
tively charged DNA causing damage [13••]. NOM-coating 
on ENPs should be a topic of study to better understand the 
toxicity of ENPs, because recent experiments have demon-
strated equal importance of the ENPs’ core material and 
innate surface properties in the interactions of ENPs with 
the human cell [40, 58]. The chemical composition of ENPs 
is one of the most important factors when considering their 
potential risk and toxicity; it determines their dissolution, 
redox capability, ionization properties, and affinity to other 
molecules [59]. Moreover, the exact environmental concen-
trations of ENPs are very difficult to assess because most 
analytical techniques cannot detect such small particles. As 
stated previously, while it seems the main driving force for 
potential genotoxicity and propensity to trigger negative 
ecological toxic effects is the composition of the ENP, their 
reactivity (zeta-potential) and particle size are also other 
very important influencing factors [13••]. However, there 
are many parameters that influence the environmental fate 
and hence toxicity of ENPs, such as pH, light, the tempera-
ture of media, and exposure duration.

Human Health Toxicity

The bioaccumulative properties of ENPs result in their 
transfer through the food web, where they eventually make 
their way to the top of the food chain, into humans [60, 61]. 
The presence of ENPs in terrestrial and aquatic environ-
ments provides the opportunity for their entry into humans. 
The primary targets that get exposed to NPs in the natu-
ral ecosystem are microorganisms, including bacteria [62]; 
but these microorganisms are simply the first rung on the 

ladder that ENPs climb to move up the food chain eventually 
to humans. Nanoparticles can also be exposed to humans 
mostly by pulmonary inhalation, oral consumption, and 
skin contact [63–66], ENPs can even enter the human body 
intentionally, e.g., when ENPs are used for drug delivery 
purposes and administered orally, applied onto the skin, or 
injected. ENPs are capable of crossing the cell membrane 
and impacting DNA. The small size of ENPs allows them 
to penetrate through epithelial and endothelial barriers into 
the lymph and blood to be carried by the bloodstream and 
lymph stream to different organs and tissues in the body, 
such as the brain, heart, kidneys, liver, bone marrow, nerv-
ous system, and possibly the fetus in pregnant women [67, 
68]. The ENPs can then be transported into cells by trans-
cytosis mechanisms or simply diffuse across the cell mem-
brane. Research on the toxic effects of ENPs on the body has 
shown that ENPs cause thrombosis by enhancing platelet 
aggregation [69], inflammation of the upper and lower res-
piratory tracts, neurodegenerative disorders, strokes, myo-
cardial infraction, and other disorders [70–72]. Not only do 
ENPs enter organs and tissues, but they can also enter cell 
organelles, e.g., mitochondria and nuclei, where they can 
alter cell metabolism and cause DNA damage, and even 
cell death [73]. The genotoxicity mechanism mainly con-
sists of two main categories—direct and indirect interactions 
of ENPs and DNA. In the case of direct interaction, ENPs 
interact with the chromosome during its interphase/mitotic 
phase and eventually bind with the DNA and thereby inhib-
its the process of replication or transcription resulting in 
chromosomal loss and/or chromosomal breakage. During the 
indirect interaction, the intermediates of NPs (from different 
environmental processes) induce genotoxicity by reactive 
oxygen species (ROS) generation and the release of toxic 
elements which interfere with the proteins that are essential 
for DNA replication, transcription, or repair [74, 75].

Terrestrial Ecotoxicity

Studies indicate that the concentration of nanoparticles is 
higher in soil compared to water or air [76, 77]. ENPs enter 
the soil and accumulate due to their weak migratory abili-
ties in the soil media [13••]. ENPs have the capacity for 
beneficial effects on soils; one such benefit is ENPs have 
the potential to enhance nutrient storage in soils. One par-
ticular study by Zhao et al. (2021) investigated the effects of 
carbon nanoparticles (CNPs) on plant growth and nutrient 
use efficiency of corn (Zea mays). They found that CNPs 
affected corn growth in a dose-dependent manner, and at 
the optimal rate significantly enhanced plant height, biomass 
yield, nutrient uptake, and nutrient use efficiency. Interac-
tions between ENPs and plants are of particular importance 
because plants, while they are primary producers and are 
responsible for converting solar energy into the organic 
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matter [78], also serve as the potential pathways for the 
transport of ENPs through the food chain into the trophic-
level consumers and represent the base of the food chain 
for many animals, including humans [79, 80]. Metal oxide 
NPs have been found to induce mainly the following toxic 
mechanisms in plants: production of ROS, which causes 
lipid peroxidation, DNA strand destruction, chlorophyll and 
carotenoid content reduction, photosynthetic rate reduction, 
plant biomass and soluble protein content reduction, and 
plant growth inhibition [81].

Aquatic Ecotoxicity

Marine ecosystems play a crucial role in maintaining bio-
logical diversity by contributing to the regulation of global 
heat distribution and providing large amounts of food up the 
trophic chain [82]. Therefore, the protection of aquatic envi-
ronments from pollution and the toxicological evaluation of 
their state are among the most important fields of study [83]. 
ENPs in the water environment can easily find their way 
into organisms like phytoplankton or zooplankton through 
contact or intake, accumulate in benthic sediments and be 
swallowed by benthic organisms, and then further transfer 
through the food chain up to larger vertebrates [84]. Alter-
natively, ENPs can enter a body through epithelial barriers, 
such as gills, olfactory organs, and body walls, or simply 
with their food [85, 86]. As mentioned earlier, when ENPs 
get into an aquatic environment, they transform from interac-
tions with other pollutants, acquire coatings of NOM, and 
adsorb a protein corona. These transformations alter their 
composition, possibly giving them a new biological identity 
and subsequently influencing their fate and toxicity [48]. In 
a review performed by Arvidsson et al. [87•], 80% (53 stud-
ies) of studies concluded that NOM reduced toxic effects, 
15% of the studies determined no influence or unclear influ-
ence, while only 5% of studies reported that toxicity was 
increased, notably only for n-Ag. Thus, there is strong evi-
dence that NOM reduces the toxic effect of ENPs in most 
cases. A possible explanation for this reduction is that the 
adsorbed NOM creates a “soft cushion” which physically 
hinders the ENPs from binding or getting into contact with 
organisms [88–90]. Other proposed explanations are that the 
NOM captures and pacifies ROS which might have other-
wise caused damage to cellular pathways [91–93] or that the 
NOM forms complexes with dissolved ions released from 
ENPs, which would mitigate the harm caused by such ions 
[89, 92, 94–97].

In addition to the relationship between ENP properties 
and NOM assemblage or protein corona that determines 
how ENPs behave, many parameters of an aquatic environ-
ment influence the ecotoxicity of ENPs; pH and light are two 
factors that are important and pertinent when considering 
the fate and toxicity of ENPs [98–101]. Organisms such as 

microalgae and cyanobacteria can be used as helpful toxico-
logical research species because they are important primary 
producers and are of basic significance for ecological bal-
ance, while their sensitivity to pollutants directly causes the 
general deterioration of many ecosystems [102]. Knowing 
how certain ENPs affect these species will ultimately help 
us understand the ecotoxicity of these ENPs and how certain 
ENPs will affect ecosystems. Table 2 synopsizes compre-
hensive literature on how ENPs affect certain species and 
ENPs’ toxicity toward organisms. The synopsis information 
presented tracks intrinsic properties of the ENP, exposure 
time and concentration, and environmental media proper-
ties. There is significantly more literature on  TiO2 studies 
than any other ENP, probably in part because  TiO2 is one 
of the most commonly used ENPs along with n-Ag, with 
its usage expected to reach 2.5 million tons by 2025 [3]. 
Lacking reported experimental parameters, e.g., tempera-
ture, pH, light conditions, exposure duration, etc., for most 
of the ENPs toxicity research reported limits the ability to 
synthesize and combine the research findings with other 
similar studies for drawing additional outcomes. If there was 
a standard for these toxicity studies and they were required 
to report detailed environmental factors, one could begin to 
identify how ENPs act in the environment and affect cells, 
organisms, etc. with higher confidence.

Table  2 also summarizes key findings of the toxicity 
research, especially the impact of environmental parameters 
on the ENPs’ toxicity. Among the reported literature, there 
were opposing findings on how salinity affects the toxic-
ity of n-Ag. Johari et al. (2018) reported increasing salinity 
to increase microalgal growth inhibition, while Salari et al. 
(2012) reported the median lethal concentration (LC50) in 
brackish water to be significantly lower than that of freshwa-
ter, indicating that the toxicity of n-Ag is greatly influenced 
by other factors as well. Multiple studies showed that light 
increased the toxicity of n-TiO2, an expected result since  TiO2 
is photocatalytic. Another consistent factor that was found to 
affect the toxicity of n-TiO2 was pH, and toxicity mechanisms, 
such as ROS generation and the accumulation of n-TiO2, were 
seen to increase at lower pH values. The photochemical effi-
ciency of photosynthesis and chlorophyll were shown to be sig-
nificantly affected by n-TiO2 and seem to be common process 
and component that are affected by n-TiO2. However, chloro-
phyll content and antioxidant enzymatic activity did increase 
with co-exposure of n-TiO2 and phosphorus, emphasizing 
that interactions between ENPs and co-pollutants existing in 
the environment adding another level of complexity to ENPs’ 
ecotoxicity and demand further research. The bioaccumulation 
and toxicity of n-ZnO seem to be dose and exposure depend-
ent; the higher the dose or longer the exposure, the more toxic 
the effects observed. From the literature, n-SiO2 is evident to 
cause low toxicity, and the severity of toxicity appears to be 
dependent on particle size. Smaller and single-walled carbon 
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nanotubes (SWCNTs) are shown to be more toxic than larger 
or multi-walled carbon nanotubes (MWCNTs), while CNT 
conjugates seem to be the least toxic. Similar summarization 
of observations for n-CeO2 is not possible since there are only 
two studies and no trending results reported in the literature 
for the ENP.

Predominant mechanisms of toxicity in the selected ENPs 
are illustrated in Fig. 1. The generation of ROS and oxida-
tive stress is a toxic mechanism of great significance for all 
selected ENPs, while cell membrane damage is not noted for 
n-TiO2. Although DNA damage was also noted for  CeO2, 
it is predominantly recoded as a toxic mechanism in n-Ag, 
n-SiO2, and CNTs. An inflammatory response is reported as 
a common toxic mechanism of n-SiO2 and CNTs. While the 
reported literature provides a basic insight into the selected 
ENPs toxicity, the most important qualifying condition for 
the toxicity testing for the actual situation was not met by 
these studies. For example, n-TiO2 was studied predomi-
nantly in the milligram range concentration (Table 2), while 
its field-detected concentrations are in μg/L range (Table 1).

Toxicity of Individual Types of ENPs

n‑TiO2

As it has been stated previously, n-TiO2 is among the most 
commonly studied nanomaterials. Because of their high 
refractive index, brightness, and resistance to discolora-
tion, n-TiO2 is broadly used as pigments. Approximately 
70% of the total  TiO2 production is used as pigments in 
paints, varnishes, enamels, plastics, paper, fibers, and foods. 
But a substantial portion of n-TiO2 is used in cosmetics and 
pharmaceutical products, such as sunscreens, toothpastes, 
shampoos, deodorants, shaving creams, and as food addi-
tives [124]. Additionally, n-TiO2 is used as an antimicrobial 
agent and a catalyst in air and water purification [102].

While it has been observed that different ENPs exhibit 
different toxic properties and different mechanisms, various 
studies show that n-TiO2 causes ROS generation and/or accu-
mulation. Jugan et al. [125] found that n-TiO2 caused an early 
accumulation of ROS in human cells via photocatalysis which 
resulted in alteration of mitochondrial membrane potential. 
Moreover, light—as one might expect because of the photo-
catalytic properties of TiO2—and pH are evidenced to affect 
the toxicity of n-TiO2. In a study of Mytilus galloprovincialis, 
Black Sea mussel, a higher toxicity was observed in the case of 
the natural photoperiod, i.e., dark and light, compared to total 
darkness. Greater proportion of underdeveloped larvae was 
observed as compared with the complete darkness, especially 
with 4 and 8 mg/L n-TiO2 [101].

The acidification of the oceans could possibly increase 
ecotoxicity of metal ENPs, n-TiO2 in particular, as the pH 
of the environment is an important factor that influences 

toxicity and susceptibility to n-TiO2. Studies have shown that 
lower pH seems to increase the ecotoxic effects of n-TiO2 
more so than greater concentrations do. Experiments were 
performed with the mussel Mytilus coruscus [98, 126–128] 
and three bivalve species [99]. A worse hemocyte response 
was observed, when M. coruscus was exposed to 2.5 or 
10 mg/L n-TiO2 in marine water at pH 7.3 for 14 days, 
including an increase in ROS and decrease in phagocyto-
sis, esterase activity, and lysome content. Additionally, a 
longer recovery period was necessary after exposure to the 
maximal n-TiO2 concentration at lower pH. Furthermore, 
lower pH increased ammonia excretion and decreased clear-
ance rate, breathing frequency, and the growth potential as 
compared with exposure at normal pH (8.1). Studies also 
showed clams (Tegillarca granosa, Meretrix meretrix, and 
Cyclina sinesis) accumulated  TiO2 in far greater amounts 
when exposed to 100 μg/L n-TiO2 at lower pH values [99]. 
This could also be attributed to where clams mostly exist 
(on the floor of oceans and shelves of rock formations), as 
n-TiO2 sink and accumulate to the bottom sediments, they 
may pose greater threat to benthic species.

The environmental risk of n-TiO2 toward marine micro-
bial species seems to be low; however, there is potential 
for adverse effects in hotspots of contamination [129]. 
The Gram-negative bacterium Vibrio fischeri was not 
affected negatively at all by n-TiO2, even at concentra-
tions of up to 20 g/L [110]. Experiments with Phaeo-
dactylum tricornutum have shown that ROS are gener-
ated, in the presence of  TiO2, to damage cell membranes. 
Again, light influenced toxicity and a greater toxic effect 
on cells was observed in the case of UV-A exposure as 
opposed to visible light exposure. Furthermore, the EC50 
decreased from 132.0 ± 7.0 mg/L on visible light exposure 
to 1.98 ± 0.09 mg/L on UV-A exposure [100, 102]. The 
biological effects of n-TiO2 were studied using marine 
microalga Isochrysis galbana, and while there was not an 
observed effect on algal cell size and reproduction, algal 
chlorophyll was affected and photosynthesis decreased 
consequently [109]. Again, photochemical efficiency was 
dramatically decreased, i.e., photosystem II—the first 
protein complex in photosynthesis—was inhibited, in the 
alga Microcystis aeruginosa when exposed to various 
concentrations of n-TiO2 (0.1, 1, 10, 50 and 100 mg/L), 
thus inhibiting photosynthetic activity [14]. The ecologi-
cally significant cyanobacterium, Prochlorococcus, suf-
fers short-term (72 h) adverse effects following exposure 
to n-TiO2, but then populations seem to recover, mainly 
due to hetero-aggregation with agglomerated n-TiO2 and 
subsequent sinking out of the water column. No other met-
abolic stresses were observed, suggesting the cell declina-
tion was due to physical interactions between ENPs and 
cyanobacteria [129]. Once the n-TiO2 aggregate and sink 
to the floor, they are no longer a toxic threat to organisms in 

508 Current Pollution Reports  (2022) 8:498–518

1 3



the water but do pose a threat to benthic organisms where 
the agglomerated n-TiO2 rests.

As for n-TiO2 in the presence of other ENPs or pollutants, 
Matouke et al. [111] showed the increasing toxic effect of 
n-TiO2 in the presence of phosphorous on microalga Chlo-
rella ellipsoides. The optical density, cholorphylls a and b, 
total chlorophyll, and antioxidant enzymatic activity were 
substantially changed on exposure to the combined com-
pounds, as well as the biomass greatly decreased. However, 
these observations are not enlightening on all combined 
compounds with n-TiO2. In a different combination, the 
effects could be less toxic or even beneficial. Still so little 
is known about the ecotoxicity of n-TiO2 in the presence of 
other compounds.

It appears that n-TiO2, because of its photocatalytic prop-
erties that make it an ideal substance in commercial prod-
ucts, causes damage to photosynthetic processes in the plant 
cells. Additionally, light has been observed to increase these 
toxic effects, again perhaps because of n-TiO2’s innate prop-
erties. The accumulation of ROS and n-TiO2 is reportedly 
another one of the toxic effects of this ENP; however, this 
may be due to bivalve mollusks being a common experi-
mental subject. This phylum of animals typically inhabits 
the sandy or muddy bottoms or attaches themselves to rocks 
in both freshwater and the sea, which makes them a target 
for sunk n-TiO2. n-TiO2 are prone to sedimentation, mainly 
due to hetero-aggregation with agglomerated n-TiO2, and 
they sink out of the water column [129] and accumulate on 
the floor. This makes their effects on benthic organisms of 
special concern [55].

The majority of literature available on the toxicity of 
ENPs cover n-TiO2, which may be the cause of n-TiO2 being 
one of the more seemingly toxic NPs. However, the scope 
of n-TiO2’s toxicity appears to be photocatalytic processes 
in plants and algae and also ROS and n-TiO2 accumulation 
in mollusks, or benthic animals. Little, if any, evidence has 
been published suggesting the hazards of n-TiO2 to humans.

n‑Ag

Silver ENPs are used as components of consumer goods 
and have applications in agriculture as agents with a broad 
range of high bactericidal, fungicidal, and antiviral activities 
[130]. These metallic ENPs are utilized in the production of 
textiles, laundry products, household appliances, water puri-
fication systems, dyes, personal care products, food storage 
containers, and food additives [131]. Silver NPs, due to their 
small size, are capable of penetrating biological membranes 
into cells and causing toxicity at various levels [102]. Their 
properties like shape and aggregation also influence entry 
and accumulation inside cell organelles including mitochon-
dria [132]. The mechanisms of n-Ag toxicity are still yet to 
be fully understood, but it is thought that both n-Ag and  Ag+ 

ions released from ENP cores exert effects by facilitating 
membrane impairment, ROS generation, protein oxidation 
and denaturation, mitochondrial dysfunction, DNA dam-
age, and inhibition of cell proliferations [133]. Silver NPs 
undergo oxidative dissolution in water, as well as biological 
tissues and cell culture media, wherein  Ag+ ions are released 
[134]. Positively charged ENPs, such as n-Ag, can easily 
enter cells and cross through lipid bilayers through simple 
diffusion and therefore are proven to be more toxic than 
neutral or negatively charged ions [135]. ENPs made from 
silver have been reported to be the most ecotoxic nanoparti-
cle because they affect numerous aquatic organisms [136].

Hyalella azteca, a freshwater crustacean, is highly 
responsive to pollution and has been a reliable tool used in 
standard ecotoxicity assays to determine sediment and water 
quality [137–141]. Silver is highly toxic to this species and 
H. azteca are among the first group of organisms to disap-
pear after exposure to n-Ag in contaminated waters [142, 
143]. Many studies have explored the hypothesis that n-Ag 
has surface charge-related toxicity, and it has been discov-
ered that, indeed, surface functionalization has a major role 
in the toxicity of n-Ag [144].

In experiments exposing H. azteca to n-Ag, citrate-coated 
n-Ag, and polyvinylpyrrolidone (PVP)-coated n-Ag, it was 
discovered that the PVP-coated n-Ag was the least toxic, and 
thus a neutral non-ionic coating of an ENP can reduce its 
toxicity. It has been shown that gills have negatively charged 
proteins with a high affinity for charged particles [84]. Thus, 
higher surface charged citrate-Ag may have enhanced the 
uptake of  Ag+ by the gills of the amphipods [145]. Moreo-
ver, PVP, unlike citrate, is a non-ionic polymer [146], mak-
ing PVP-Ag less attractive to the negatively charged gill pro-
teins to cause toxic effects. Samrot et al. [147] also observed 
damage to organs such as gills, eyes, and intestine of Danio 
rerio after exposing them to n-Ag. Gills, with their nega-
tively charged proteins, seem to be a reoccurring site of n-Ag 
accumulation and/or toxic effects. The ionic nature of n-Ag 
greatly influences its toxicity, largely making negatively 
charged proteins or atoms their binding target and exerting 
toxic effects from there.

Another factor that has been observed to influence the 
toxicity of n-Ag is salinity; however, how salinity affects 
the toxicity of n-Ag has yet to be elucidated. The toxicity of 
n-Ag toward the marine alga Dunaliella salina was experi-
mentally studied at different water salinity levels (35, 70, 
and 140 g/L). The degree of microalgal growth inhibition 
was found to increase with the increasing salinity [105]. 
However, an opposite effect was observed when Salari et al. 
[106] studied the acute toxicity of n-Ag in rainbow trout, 
Oncorhynchus mykiss, and found the LC50 in brackish water 
was 12 times lower than that found in freshwater in a 96-h 
experiment. How salinity affects the toxicity of n-Ag is 
unclear, but it has been determined to influence toxic effects. 
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The abundance of  Cl− anions in an aquatic environment with 
high salinity might bind to the  Ag+ cations making them 
neutral, otherwise disarming them from causing damage.

As stated before, n-Ag is reported to be a highly ecotoxic 
ENP, but to whom or what? Perhaps because n-Ag does not 
dissociate into cations in soil media, it is less harmful to 
plants (Table 2). Although oxidative dissolution of silver 
can occur in biological tissues and solutions and while it has 
been evidenced that n-Ag can be toxic to humans, the litera-
ture that demonstrates its precise toxic effects on humans is 
lacking. Nevertheless, studies have confirmed that n-Ag can 
be transferred through the trophic chain and subsequently 
exert its toxic effects [148].

n‑ZnO

Zinc oxide ENPs are the second nanomaterial most com-
monly used in certain fields after n-TiO2. Zinc oxide NPs  
are widely used to produce pigments, semiconductors, rub-
ber solar cells, chemical fibers, sunscreen creams, and food 
additives [149–151]. Another potential application is design-
ing n-ZnO-containing paint additives to prevent the forma-
tion of biofilms on marine ship hulls, as n-ZnO has shown 
high antibacterial activity, even against antibiotic-resistant 
bacteria [152, 153].

Research suggests, like other metallic ENPs, that the 
toxic effects vary according to the chemical properties of 
n-ZnO, different soil media or water chemistry and the form 
of n-ZnO [154]. It has been reported that n-ZnO has strong 
toxic effects on both bacterial and mammalian cells [155]. 
Cell membrane damage and increased oxidative stress have 
been seen to be the most common toxic effects of Zn-based 
ENPs on various mammalian cell lines [156]. Studies have 
shown a higher level of toxicity of n-ZnO compared to other 
common ENPs; this higher toxicity has been associated with 
its dissolution into  Zn2+, in contrast to insoluble n-TiO2 and 

the non-toxic degradation products of n-SiO2 [157–159]. But 
to directly contradict this theory, a study on the early devel-
opment of sea urchins by Manzo et al. [113] found n-ZnO 
to be more toxic than the ionic zinc  (Zn2+) and marine water 
increased the toxic effect of n-ZnO because surface inter-
actions occurred between n-ZnO and the medium, and NP 
aggregates would form. Perhaps the difference in findings 
can be explained by the water salinity, but without certain 
experimental parameters listed and standards for these toxic-
ity studies, it is difficult to know what the toxic effects can 
be attributed to, e.g., ionic form or aggregates caused by 
salinity. Indeed, water salinity does increase toxic effects 
of n-ZnO, as well as forms aggregates, so the accumulation 
of n-ZnO in marine organisms is an important topic related 
to the toxicity of n-ZnO [115]. Experiments with mollusks, 
worms, and oysters showed evidence of bioaccumulation of 
n-ZnO, indicating that n-ZnO accumulation leads to early 
degradation of mitochondria and causes oxidative stress 
[115, 116].

Certain studies indicate that the adverse effects of 
n-ZnO can be decreased by altering its surface chemistry. 
One study by Ramasamy et al. [160] aimed to lower the 
toxicity of n-ZnO by coating it with a silica layer  (SiO2) 
and found that the silica-coated n-ZnO exhibited reduced 
enzyme leakage and oxidative stress compared to the bare 
n-ZnO. More research needs to be conducted to understand 
the toxic effects. For example, what are the effects of light? 
One would expect the light to increase the toxicity of n-ZnO 
because of its photocatalytic properties like n-TiO2, but there 
is very limited literature on the topic. Despite n-TiO2 and 
n-ZnO’s similarities, their difference— the insolubility of 
n-TiO2 and the dissolution of n-ZnO—seems to produce a 
difference in toxicity toward microorganisms suggesting that 
the toxic effects of n-ZnO on microbes are due to its  Zn2+ 
ions.

Fig. 1  Literature-reported 
dominant toxicity mechanisms 
of ENPs
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n‑SiO2

Silicon dioxide ENPs are widely used in consumer prod-
ucts, from ceramics and glass to medicine, cosmetics 
and food additives; their application has even extended 
to biomedical [161, 162]. More than 1 million tons  
per year are manufactured and imported to Europe alone 
[47], and more than 4 million tons globally are consumed  
each year [163], presumably due to their benefits, low toxic-
ity and cost, and ease of production [117]. With the new and  
growing potential for n-SiO2, especially in medical applica-
tions where n-SiO2 could be introduced into the human body  
intentionally, the increasing potential for exposure has raised  
concerns for safety and adverse health effects. Furthermore, 
n-SiO2 are ultimately released into aquatic environments 
during production and through use and wastewater, which 
has led to an environmental concentration of n-SiO2 in sur-
face waters that is predicted to be in a range of 0.12 and 
2.6 μg/L [40, 164]. Manufactured n-SiO2 consists of either 
crystalline or amorphous silica. The crystalline structure of 
silica is a repeating network of  SiO2 tetrahedral units, while 
the amorphous structure is a randomly distributed network  
of tetrahedral units [165].

When considering the inhalation of particles, the critical 
cells involved in this process are the macrophages and epi-
thelial cells of the bronchi and alveoli. These cells respond 
by releasing inflammatory mediators locally and inducing 
phagocytic/endocytic uptake of the particles [166]. A review 
by Fruijtier-Pölloth [165] concluded that there was no bioac-
cumulation of n-SiO2 and it all disappeared within a short 
period from living organisms by physiological excretion 
methods, and the smaller-sized ENPs were excreted faster. 
Human health effects associated with exposure to crystalline 
silica (0.5–10 μm) have been widely studied; exposure to 
crystalline silica induces silicosis, a progressive fibrotic lung 
disease, and is also associated with lung cancer, emphysema, 
and pulmonary tuberculosis among workers who have been 
exposed occupationally [167]. The toxicological potential of 
silica has been linked to its crystallinity, while natural amor-
phous silica has generally been considered less harmful and 
clearing more rapidly from the lung in vivo [168]. However, 
recent studies have shown that amorphous silica can be as 
reactive as crystalline particles [169] and adsorbs to cellu-
lar surfaces and affects membrane structures and integrity 
[165]. A study by Murugadoss et al. [170] demonstrated 
that n-SiO2 induces oxidative stress and mediated apoptosis, 
cytotoxicity, genotoxicity, and pro-inflammatory responses 
with significant effects being observed only at or above the 
concentration of 25 mg/L (25 μg/mL) and in a size- and 
concentration-dependent pattern. ROS-mediated toxicity is 
believed to be an important mechanism of toxicity related 
to n-SiO2 [171]; however, one study indicated that n-SiO2 
induced DNA damage without the generation of ROS, and 

thus other mechanisms such as direct DNA damage might 
be a toxic effect of n-SiO2 [74].

The ecotoxicity of n-SiO2 has been linked to the number 
of hydroxyl groups on their surface [172], and the amount 
of protonated silanol groups (Si–O-H) on the ENP surface 
seems to be an important influential factor for toxic effects. 
The low toxicity of n-SiO2 is partly derived from these 
unique surface silanol groups, which can either form hydro-
gen bonds or dissociate into  SiO−, which electrostatically 
interact with biomolecules and can disrupt the cytomem-
brane, lysosome, and mitochondria [173]. Cell membrane 
proteins can also become denatured by the proton-donating 
silanol group which leads to damage [119]. In water,  SiO2 
has silanol groups, but at the nanoscale there is a higher 
density of these groups making n-SiO2 more reactive and 
prone to environmental modification [174].

In aquatic environments, there are multiple influential 
factors such as composition, size, charge and media exposure 
that affect the ultimate toxicity of n-SiO2 [175]. Aggregation 
of n-SiO2 has frequently been reported, and while the size is 
an important factor affecting toxicity, it has been shown that 
smaller  SiO2 NPs are more toxic [119, 176, 177]. Capping 
agents are key parameters for toxicity as well, in a study by 
Dumitrescu et al. [178] where zebrafish were exposed to 
n-SiO2, there was dose-dependent mortality and other devel-
opmental toxic effects, but no toxic effects were observed 
with glycine functionalized n-SiO2. Different responses were 
also observed according to the functionalization of n-SiO2 
in experiments with zebrafish and Oncorhynchus mykiss cell 
lines [118, 119]. Little research has been done considering 
other environmental parameters like light, pH, and tempera-
ture, so how these factors affect the toxicity of n-SiO2 is still 
to be understood.

CNTs

CNTs are a major building block used in nanotechnology 
and have unique chemical and physical properties as a result 
of their nanostructure. While CNTs are being manufactured, 
the most common catalysts for their synthesis are Co, Fe, 
Ni, and Mo, which can result in residual metal impurities 
of the CNTs and subsequently influence toxicity. CNTs can 
also be functionalized or coated to improve their dispersion 
or achieve certain functions [179]. The most influential fac-
tors affecting toxicity are functionalization and composition 
of the CNTs, length and diameter, the specific surface area 
ratio, and their propensity to form agglomerates and aggre-
gates, with the most confirmed aggravators affecting lung 
cells and tissues being composition or impurities and CNT 
diameter [180]. Pulmonary tissue exposed to CNTs through 
inhalation has not been shown to cause mesothelioma, but it 
does lead to the formation of granulomas [181], lung inflam-
mation and fibrotic responses [182]. Gernand and Casman 
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[180] found that larger aggregates of CNTs caused less dam-
age to cells than the smallest aggregates, but were more diffi-
cult to clear from the lungs, requiring a longer post-exposure 
time to recover to normal levels. This finding is inconsistent 
with an in vitro study that found increasing aggregate size 
leads to greater damage to the cell membrane [183], but cor-
roborates the findings of an in vivo study from Muller et al. 
[184] where larger aggregates increased neutrophil count 
and reduced lactate dehydrogenase (LDH) release. Literature 
indicates that the tendencies of CNT toxicity larger CNTs 
are more toxic to microbes and bacteria or when the CNT is 
interacting with the outside of the organism, while smaller 
CNTs are more toxic to lung cells and tissues or when the 
CNT is inside the organism.

One finding from Gernand and Casman’s [180] study that 
contradicts the heavily proven observation that increased 
length of CNTs increases toxicity in microbes and bacte-
ria, was that increased CNT length markedly decreased the 
observed toxicity, except for the count of total proteins in 
the bronchoalveolar lavage fluid. So perhaps this highly 
observed “increased length increases toxicity” result is only 
true in microorganisms, where the CNTs can cause physi-
cal damage. It is hypothesized that longer lengths increase 
the chance of CNTs aggregating and tangling, therefore 
reducing their characteristics of fibers in the lung and subse-
quently their toxicity. The longer diameter of CNTs has been 
shown to consistently increase toxicity [180]. This is consist-
ent with the hypothesis that stiffer nanotubes produce greater 
cell damage in the lungs and are more resistant to the body’s 
natural process of clearing particles [185, 186], which also 
allows for a plausible alternative for the difference between 
single-walled (SWCNTs) and multi-walled CNTs (MWC-
NTs). Pulmonary toxicity is also greatly increased by the 
number of metallic impurities on the CNTs. Among the met-
als tested, including chromium, nickel, aluminum, iron, cop-
per, and cobalt, the metal impurity that negatively affected 
toxicity the most was cobalt [180].

Like many carbon structures, CNTs have demonstrated 
antimicrobial properties which are mostly attributed to phys-
ical membrane damage mechanisms [187–189]. The length 
of CNTs is a critical factor for antimicrobial activity, and 
a study by Yang et al. [190] confirmed that the longer the 
CNT, the more powerful the antimicrobial properties are 
because contact with the bacterial membrane has greater 
potential at longer lengths. Research by Kang et al. [191] 
showed CNTs accumulated on the membrane of the bacte-
ria Escherichia coli causing damage to main structures and 
ultimately abolishing the bacteria. The functional groups on 
CNTs are also an important influential factor for the anti-
microbial properties and ultimate toxicity. Functionalized 
CNT with biologic groups, such as poly-lysine, have shown 
to cause insignificant damage to the human body and the 
environment [192, 193]. It has also been demonstrated that 

functionalized CNT with cationic amino acids have signifi-
cant antibacterial activity against various bacteria, such as E. 
coli, Staphylococcus aureus, and Salmonella typhimurium, 
suggesting positively charged groups could be more damag-
ing to bacterial membranes [187, 188].

n‑CeO2

Cerium dioxide ENPs, like  TiO2, are photocatalytic when 
exposed to certain wavelengths of light, and generates ROS 
including hydroxyl radicals, peroxide, and superoxide [194, 
195]. While the generation of ROS has been strongly tied to 
n-TiO2 toxicity, there is significantly less evidence that has 
demonstrated a definitive link between ROS and toxicity 
for n-CeO2; this should be determined by seeing if the toxic 
effects occur because of UV light-facilitated photocatalytic 
ROS generation or simply because of n-CeO2 [196, 197]. It 
is important to consider the effect of illumination on toxic-
ity with a semiconducting material like n-CeO2, so again, 
if researchers took more care in explicitly noting specific 
experimental parameters, it might be easier to understand the 
cause of toxic mechanisms or certain phenomena.

One mechanism of toxicity that has been numerously 
reported is the sorption of  CeO2 to the surface of various 
organisms resulting in localized exposure of ROS [198, 199], 
to cell membranes causing membrane damage [199–201], to 
bacteria and algae resulting in their sedimentation, which may 
lead to nutrient or light inhibition [202, 203], and to the outer 
and inner membranes of higher trophic organisms resulting in 
a correlation with toxicity [204, 205]. There is much evidence 
that confirms the main interaction that causes n-CeO2 toxicity 
in various environments, e.g., human body or aquatic environ-
ment, is the adsorption of n-CeO2 onto a particular, target 
surface, e.g., cell membrane or organism. It has also been 
proposed that the toxicity of n-CeO2 is caused by ROS gen-
eration and/or oxidative stress [202, 206] and cell membrane 
damage [207, 208]. On the other hand, some studies propose 
n-CeO2 to act as an antioxidant and radical scavenger [159, 
194, 209, 210]. But just like opposing findings in the studies 
of other ENPs, studies on n-CeO2 reported results that are 
often contradictory. There have been different toxic mecha-
nisms proposed, as well as a finding that n-CeO2 is toxic to 
some organisms and non-toxic to others [211].

In solutions, the hydrolysis of  CeO2 occurs and is fol-
lowed by the polymerization and precipitation of gelati-
nous hydrated cerium (IV) oxide. The dissolution of  CeO2 
has been noted to be suppressed by the phosphate ligand, 
while dissolution is increased at lower pH values. Phosphate 
ligands are strongly adsorbed onto n-CeO2, quickly form-
ing cerium phosphate which is insoluble and immediately 
precipitates once formed. Furthermore, the phosphate ligand 
seems to be likely involved in inhibiting any oxidative stress-
related toxicity effects [212].
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Conclusion

There is still much to be understood about the environmen-
tal fate and transport of ENPs and their toxicity. Although 
it is certainly an area of research that is of concern, until 
we have a standard for these studies, our understanding 
will always be inferior and incomplete. It is important to 
standardize studies in a way so that all environmental and 
experimental parameters are noted, so one can begin to 
comprehend the effects of ENPs and how certain environ-
mental factors influence those effects (e.g., does a change 
in pH change the toxicity of n-TiO2?). Confirmation is 
yet to be obtained on the physicochemical properties, 
environmental behavior, and toxicological effects of the 
ENPs as one has to recognize the fact that these ENPs may 
behave differently than they do in their original product, 
which they typically do not exist as in natural ecosystems. 
Or they may behave differently depending on the chem-
istry of the environment (e.g., salinity or pH), which may 
explain the opposing findings with n-CeO2 toxicity. Once 
we can better understand how ENPs interact within and 
exist in the environment, only then will we be able to fully 
realize the risks of these ENPs and can take measures 
to protect the environment and ourselves. Usually, ENPs 
in the environment are not by themselves but with other 
chemicals and contaminants. These co-contaminant(s), 
some of which are emerging such as microplastics, could 
have a synergistic or antagonistic effect on the environ-
ment including toxicity. The effect of ENPs combined 
with these co-contaminant(s) should be elucidated to be 
more realistic. Also, all ENPs have impurities and for most 
studies, it is unclear whether toxicity is from ENPs or the 
impurities or both. This issue should be investigated to 
understand truly the impact of ENPs.
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