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Abstract
The study aimed to quantify the lead(II) bio-precipitation effectiveness, and the produced precipitate identities, of industrial 
consortia under aerobic and anaerobic batch conditions. The consortia were obtained from an automotive battery recycling 
plant and an operational lead mine in South Africa. The experiments were performed in the complex growth medium 
Luria–Bertani broth containing 80 ppm lead(II). The precipitation and corresponding removal of lead(II) were successfully 
achieved for both aerobic (yellow/brown precipitate) and anaerobic (dark grey/black precipitate) conditions. The removal 
of lead(II) followed similar trends for both aeration conditions, with the majority of lead(II) removed within the initial 
48 h, followed by a marked decline in removal rate for the remainder of the experiments. The final lead(II) removal ranged 
between 78.11 ± 4.02% and 88.76 ± 3.98% recorded after 144 h. The precipitates were analysed using XPS which indicated 
the presence of exclusively PbO and elemental lead in the aerobic precipitates, while PbO, PbS, and elemental lead were 
present in the anaerobic precipitates. The results indicated an oxidation–reduction mechanism with lead(II) as an electron 
acceptor in both aerobic and anaerobic conditions, while a sulphide-liberation catabolism of sulphur-containing amino 
acids was evident exclusively in the anaerobic runs. This study provides the first report of bacterial bio-reduction in aqueous 
lead(II) to elemental lead through a dissimilatory lead reduction mechanism. It further provides support for the application 
of bioremediation for the removal and recovery of lead from industrial waste streams through the application of bacterial 
biocatalysts for direct elemental lead recovery.
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Introduction

Various technologies depend on the availability of lead (Pb) 
for industrial applications, including storage battery plates, 
sheathing for electrical cables, small calibre ammunition, 
shielding for X-ray apparatus and atomic reactors, type 
metal, bearing metal, and solder. However, as opposed to 
many other metallic species, natural Pb-occurrence is not 
common on the earth’s surface. In the earth’s crust, Pb exists 

mostly as the sulphur compound galena (PbS). It is estimated 
that the world production of refined Pb from natural reserves 
is 5 million tons per year (International Lead Association 
2018). Workable raw Pb-reserves are estimated at 87 million 
tons—about 17 years’ supply at the current rate of usage 
(Statista 2018).

The high incidence of observed environmental Pb can 
mostly be attributed to human activity. Anthropogenic Pb is 
introduced through metal works and the use of products con-
taining Pb-additives such as paints and gasoline (Gioia et al. 
2006). In car engines, the burning of fuel in the presence of 
other impurities (such as chlorines, bromines, and oxides) 
produces Pb-salts (Russell and Vincent 1998). Finally, Pb is 
released from the combustion of coal during electric power 
generation in coal-powered plants (Block and Dams 1975).

The Pb-recirculation caused by human sources is far 
more extensive than the natural Pb-cycle, causing Pb-pol-
lution to be a worldwide problem (Bollhöfer and Rosman 
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2000; United Nations Environment Programme 2010). The 
increased non-localised outputs of Pb to the environment 
have generated a great deal of concern, mainly due to its 
toxicity to living organisms. Pb-contamination of water and 
land is known to produce sub-chronic effects at low concen-
trations (Supanopas et al. 2005), acute effects at moderately 
high concentrations (Papp et al. 2006), and catastrophic 
changes to ecosystems at very high concentrations (Eisler 
1988). For example, Pb-concentrations under 10 mg/L can 
disrupt endocrine activity in sensitive species, while concen-
trations above 1000 ppm can eradicate entire ecosystems. 
Additionally, Pb tends to disproportionately impact vulner-
able groups including children (Mathee et al. 2013; Oulhote 
et al. 2013; Taylor et al. 2013) and marginalised peoples 
(Barbosa et al. 2009). In the South African context, Pb-pol-
lution predominantly affects economically disadvantaged 
communities. This typically results from Pb-containing paint 
peeling from unmaintained buildings and contaminating 
food and water supplies, the use of Pb-containing batteries 
as sinkers by subsistence fishermen, and the unregulated use 
of Pb in traditional medicines (Mathee et al. 2013; Mathee 
2014; Mathee et al. 2015).

Conventional treatment technologies such as sand filtra-
tion, GAC adsorption, precipitation sedimentation, flotation, 
ion-exchange, and electrochemical deposition systems have 
been applied historically for the removal of the toxic heavy 
metals such as Cd, Pb, Fe, Mn, Cr, and As from water (Wang 
et al. 2004; Aziz et al. 2008). However, disadvantages of 
these processes include lack of selectivity, low efficiency, 
cost-intensive steps, and waste production, indicating the 
need for economically viable and environmentally con-
scious alternatives (Barbaro and Liguori 2009; Ngwenya 
and Chirwa 2010; Barakat 2011).

Several researchers have investigated the feasibility of 
biological processes to remove Pb from water and wastewa-
ter. Most of these studies have employed microorganisms as 
biosorbents using dead or reconditioned biomass (Adeniji 
2004; Chatterjee et al. 2012; Singh et al. 2014; Manzoor 
et al. 2019). However, the use of living microorganisms 
promises significant advantages. For example, continuous 
catalyst production and active metabolic mechanisms may 
prove useful in bioremediation. Exploration of microbial Pb-
tolerance and -removal capabilities has uncovered various 
mechanisms employed by these organisms. These include 
extracellular sequestration, alteration in cell morphology, 
efflux mechanism, precipitation, biosorption, intracellular 
Pb-bioaccumulation, and enhanced siderophore production 
(Naik and Dubey 2013; Chen et al. 2019). During bio-pre-
cipitation, an insoluble Pb-complex is formed which results 
in reduced bioavailability and toxicity. In the literature, 
examples of this mechanism include the production of insol-
uble Pb-phosphates (Levinson et al. 1996) and Pb-sulphides 
(De et al. 2008) by bacteria. During anaerobic respiration, 

inorganic compounds, such as nitrate or sulphate, can act as 
electron acceptors in the place of oxygen (aerobic respira-
tion), yielding ammonium or nitrogen from nitrate (Simon 
and Klotz 2013) and sulphide ions from sulphate (Ophardt 
2007). The potential for using sulphate-reducing bacteria 
to remove heavy metals from water has been investigated, 
especially where Pb is removed as a black precipitate in the 
form of immobile PbS (Niu et al. 2018).

Alternatively, soluble Pb(II) could be removed from water 
by reducing it to insoluble elemental Pb. Although in many 
cases the reduction in one metal species to a lower oxidation 
state is thermodynamically feasible in a broad redox range, 
a large activation energy is usually required to initiate the 
reaction. The required activation energy can, however, be 
reduced by the introduction of a catalyst to the system. In 
biological systems, enzymes act as catalysts and allow reac-
tions usually requiring elevated temperatures to proceed at 
ambient temperatures (Karp 2010). This phenomenon was 
observed in the previous studies on the reduction in the toxic 
metals Cr(VI) to Cr(III) (Chirwa and Wang 1997, 2000; 
Bansal et al. 2019), U(VI) to U(IV) (Lovley et al. 1993; 
Mtimunye and Chirwa 2014, 2019) and Se(VI) or Se(IV) to 
Se(0) (NAMC 2010; Li et al. 2014; Tendenedzai and Brink 
2019). In each case, microorganisms were discovered that 
facilitated the biotransformation of the metals to the lower 
oxidation state, despite the thermodynamic barriers. Often, 
the transformation is facilitated as part of a defence mecha-
nism as the metal is converted to a less mobile state that 
cannot passively enter the cells (Haefeli et al. 1984; Kessi 
et al. 1999). In many species, energy for metabolism and cell 
growth is derived from the metal reduction process (Wade 
and DiChristina 2000). The total reduction in metals to the 
zero valent state was observed first in the reduction in diva-
lent palladium to the crystalline zero valent form by the cells 
of Desulfovibrio desulfuricans NCIMB 8307 (Lloyd et al. 
1998; Yong et al. 2002), and more recently in the reduction 
in the tetravalent selenium oxyanions to zero valent selenium 
(NAMC 2010; Li et al. 2014; Tendenedzai and Brink 2019).

Owing to limitations faced by current technologies used 
for the removal of Pb(II) from aqueous media, methods for 
its extraction for direct reuse and removal from the anthropo-
genic cycle have proven elusive. The dissimilatory reduction 
in aqueous Pb(II) to elemental Pb would contribute signifi-
cantly towards providing a biological method for Pb bio-
recovery. However, currently limited investigations on the 
feasibility of biological reduction in Pb to the zero valent or 
crystalline state have been performed. Authors of the current 
study have published a number of papers showing promising 
results in terms of the microbial precipitation of Pb using 
industrially obtained microbial cultures; however, the identi-
ties of the precipitates formed were not determined (Brink 
et al. 2017; Brink and Mahlangu 2018; Peens et al. 2018; 
Hörstmann and Brink, 2019). The current research aimed 
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to investigate the effects of oxygen on the effectiveness of 
microbial Pb-precipitation and precipitate identities.

The industrially sourced consortia were obtained from 
a borehole at an automotive battery recycling plant and a 
functioning Pb-mine. The consortia were cultivated in Pb-
containing media under aerobic and anaerobic mesophilic 
conditions. The precipitates formed during fermentations 
were analysed to determine their exact chemical composition 
and thereby elucidate the precipitation mechanisms at work. 
The work was completed between April 2017 and June 2018 
at the University of Pretoria, South Africa.

Materials and methods

Pb‑resistant consortium screening and culture 
preparation

Soil samples were collected from a borehole at an automo-
tive battery recycling plant in Gauteng, South Africa, and 
from the northern shaft of an operational Pb-mine in the 
Northern Cape Province, South Africa. The background Pb-
concentrations in the soil were determined by leaching the 
soil using distilled water and concentrated HNO3 to deter-
mine the Pb-concentration range of the soil, considering the 
pH dependence of the Pb-solubility. The Pb-concentrations 
were quantified using an atomic absorption spectrometer 
(PerkinElmer AAnalyst 400, Waltham, Massachusetts). The 
range of Pb-concentrations was determined to be between 3 
and 150 ppm, based on the mass of soil.

The samples were screened for Pb-resistant organisms 
by suspending 1 g of soil in a sealed serum bottle (Sigma-
Aldrich, St. Louis, MO) containing sterile fermentation 
medium consisting of standard Luria–Bertani (LB) broth 
(Merck, Darmstadt, Germany) and a background Pb-concen-
tration of 80 mg L−1. No attempt was made to purify or iden-
tify the consortium cultures; this would form part of a future 
project. The fermentation medium was prepared by blending 
separately sterilised LB broth and a 1000 mg L−1 Pb (Merck, 
Darmstadt, Germany) stock solution. The cultures were cul-
tivated anaerobically for 24 h at 32 °C to ensure facultative 
anaerobic consortia. These cultures were dubbed B80 and 
N80 for the automotive battery recycling plant and mine 
cultures, respectively, to indicate the source of the consortia 
and the screening Pb-concentrations used.

Sterile glycerol was added to the balance of the cul-
tures grown anaerobically for 24 h in order to obtain a final 
glycerol concentration of 20% v/v, from which 1 mL stock 
cultures were obtained and stored at − 77 °C for further 
analysis.

All fermentations were inoculated from LB agar (Merck, 
Darmstadt, Germany) plates; prior to fermentations, 1 mL 
stock samples were thawed for 45 min in a 5 °C refrigerator. 

Sterile LB agar plates were streaked, sealed, and cultured 
for 24 h at 32 °C in an anaerobic atmosphere. After 24 h’ 
growth, the plates were stored at 5 °C until required for 
fermentations.

Preparation of microbial cultures

Two loops of the plated bacteria were inoculated into the 
fermentation medium (see medium used for screening) for 
each of the triplicate experiments. In the anaerobic fermenta-
tions, the serum bottles were purged with nitrogen (Afrox, 
Johannesburg, South Africa) for three minutes and sealed 
with a rubber stopper, while the aerobic fermentations were 
performed in shaker flasks covered with sterile cotton wool.

Sampling and analysis

The sampling was performed by extracting approximately 
6 mL samples from each of the triplicate batch reactors via a 
sterilised hypodermic needle. The samples were centrifuged 
for 10 min at 6000 rpm (Eppendorf® Minispin Z606235, 
Hamburg, Germany) and the effluent decanted and stored at 
5 °C for further analysis. The pellet was re-suspended with 
distilled water, and the optical density at 600 nm (OD600) 
and metabolic activity at 550 nm (MA) were measured 
spectrophotometrically (Lightwave II,WPA Labotech, South 
Africa) using the method described in Sect. 2.4.

An atomic absorption spectrometer (PerkinElmer AAn-
alyst 400, Waltham, Massachusetts) equipped with a Pb 
Lumina hollow cathode lamp (PerkinElmer AAnalyst 400, 
Waltham, Massachusetts) was used to measure the dissolved 
Pb-concentration in the centrifuge vial effluent.

Optical density and metabolic activity 
measurements

The metabolically active cells in the sample were quantified 
using the MTT method proposed by Wang et al. (2010). 
Water-insoluble formazan crystals are formed by the reduc-
tion in 3-(4,5-dimethylthiazol-2-yl)-2,5-diphenyl tetrazo-
lium bromide (MTT) by the dehydrogenase system of viable 
cells in a culture. The formazan crystals are subsequently 
extracted using DMSO and spectrophotometrically quan-
tifying at 550 nm providing a quantitative measure of the 
metabolic activity (MA) of the culture.

5 g L−1 MTT solutions were prepared with MTT powder 
(Sigma-Aldrich, St. Louis, MO) and ultra-purified water, 
filtered with sterile filters into 2 ml cryogenic vials, placed 
in a dark container, and frozen at − 40 °C until use.

For the optical density at 600 nm (OD600) and MA analy-
ses, 1 ml of the original samples taken from the bioreactors 
was diluted to a final volume of 4 ml, respectively. The OD600 
was measured spectrophotometrically (Lightwave II,WPA 
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Labotech, South Africa) to use as an indication of the bio-
mass and amount of dark Pb-precipitate (Naik et al. 2013). 
No attempt was made to separate the biomass and precipitate 
as the MA was deemed to be a sufficient measure of the bio-
catalyst activity. Subsequently, 1.8 ml of the diluted samples 
was transferred to 2 ml cryogenic vials, and 0.2 ml of the 
prepared MTT, at room temperature, was added. The vials 
were sealed and incubated in darkness at 35 °C for 1 h. After 
the incubation was completed, the samples containing the 
formazan crystals were dissolved in 2 ml of DMSO (Sigma-
Aldrich, USA) and mixed thoroughly. The absorbances of the 
vials at 550 nm were measured and recorded to quantify the 
MA (Lightwave II,WPA Labotech, South Africa).

For the OD600 and MA measurements without biomass, 
the same procedure was followed as described in the previ-
ous paragraph, after initially removing the biomass by cen-
trifuging the sample (Universal 320 R, Hettich Zentrifugen, 
Germany) and filtering it with a 25-mm nylon syringe filter 
with 0.45 μm pores (Anatech). The net OD600 and MA were 
determined as the difference between the measurements with 
and without biomass. All results were reported after consid-
ering the dilution required to measure the values within the 
range of the instrument.

Pb‑precipitate identification

The respective precipitate samples were qualitatively ana-
lysed by using a Zeiss Ultra PLUS FEG scanning electron 
microscope (SEM) coupled with energy-dispersive X-ray 
spectroscopy (EDX: Oxford instruments, Aztec software, 
20 kV) (Naik et al. 2013). The samples selected for analy-
sis were taken randomly from one of the triplicate vials at 
the termination of the experiment (144 h). Each precipitate 
sample was prepared by centrifuging two 1 mL collected 
samples at 9000 rpm for 10 min. The precipitate sample 
was then washed with a solution containing 50% v v−1 etha-
nol and centrifuged at 9000 rpm for 10 min. The procedure 
was repeated with 60% v v−1 ethanol, 80% v v−1 ethanol, 
and twice with 100% ethanol, all at 9000 rpm for 10 min. 
The precipitate sample was then placed on a glass disc and 
left for 1 h to allow all ethanol to evaporate. The disc was 
placed on a metal stub, coated with gold and analysed with 
SEM–EDX. Ten different sites on each metal stub were ana-
lysed for each consortium’s precipitate.

Subsequently, each precipitate sample was characterised 
by X-ray photoelectron spectroscopy (Thermo ESCAlab 250 
Xi, Waltham, MA) (Wang et al. 2004: 371). The samples 
were prepared anaerobically to ensure minimal oxidation of 
the precipitate during preparation. Two 1 mL collected sam-
ples were centrifuged at 9000 rpm for 10 min. The precipi-
tate samples were dried anaerobically overnight in a sealed 
desiccator containing silica crystals, an AnaeroGen™ pouch 
(Oxoid Ltd, Basingstoke, UK), and an anaerobic indicator 

(Oxoid, Thermo Scientific, Basingstoke, Hampshire, UK), 
before being analysed with XPS.

Results and discussion

Visual difference between aerobic and anaerobic 
experiments

The observed differences between the aerobic (a and b) and 
anaerobic (c and d) conditions are shown in Fig. 1. Based on 
visual evidence, significant differences in the final composi-
tions are apparent, with a brown/yellow precipitate observed 
in the aerobic fermentations (a and b) and a dark precipitate 
observed in the anaerobic fermentations (c and d). The abi-
otic controls (e and f) displayed no visual change for either 
aerobic or anaerobic runs after 72 h, indicating that the pre-
cipitate formation was a result of biological activity of the 
consortia. The results from the anaerobic experiments are 
consistent with the anaerobic results obtained by Saiz and 
Barton (1992) as well as with other anaerobic work done by 
the authors of this paper (Brink and Mahlangu 2018; Peens 
et al. 2018; Brink et al. 2017) in which dark precipitates were 
observed. The results from the aerobic fermentations likely 
indicate the formation of a brown/yellow Pb-precipitate. It 
is known that Pb-oxide colours range from yellow (PbO), 
to red–orange (Pb3O4), and dark brown (PbO2), providing a 
likely candidate for the precipitate as a Pb-oxide (Eastaugh 
et al. 2007:228). The results obtained for the aerobic precipi-
tation experiment compare well with recently published work 
from Dabir et al. (2019) in which a brown discolouration was 
observed in an aerobic cultivation of an industrial consortia 
grown in LB broth media spiked with 400 ppm Pb(II).

Percent changes in dissolved Pb‑concentrations 
(%Δ[Pb])

The measured %Δ[Pb] are shown in Fig. 2 with the data 
points representing the average percentage decline in the 
measured Pb-concentrations relative to the initial Pb-con-
centrations in the triplicate runs and the error bars indicat-
ing one standard deviation for results measured. The results 
indicate significant %Δ[Pb] exhibited for all the experi-
mental runs, with total %Δ[Pb] of between 78.11 ± 4.02% 
and 88.76 ± 3.98% recorded after 144 h. The results for all 
the runs displayed similar trends with the majority of the 
%Δ[Pb] achieved within the first 48 h, in the range between 
69.57 ± 2.84% and 76.61 ± 0.61% for all the runs, followed 
by a slower rate for the remainder of the runs.

The aerobic %Δ[Pb] for the B80 consortium were signifi-
cantly faster than the corresponding run for the N80 consor-
tium. The B80 run achieved a fast %Δ[Pb] of 71.38 ± 5.71% 
within the first 24 h, when compared to the N80%Δ[Pb] of 
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19.35 ± 1.36% within the same period. The period between 
24 and 48 h showed a marked decline in the rate of %Δ[Pb] 
in the aerobic B80 with a measured value of 76.61 ± 0.61% 
when compared to the aerobic N80%Δ[Pb] for the same 
period which rapidly increased to 69.57 ± 2.84%. It is inter-
esting that the %Δ[Pb] in the aerobic N80 decreased to 
66.50 ± 1.04% within the period from 48 to 72 h, implying 
a release of Pb(II) ions back into the solution. This might 
indicate an initial adsorption–desorption mechanism present 
in the N80 consortium. Microbial biomass obtained from 
activated sludge is reported to provide good sorption sites for 
Pb (Adeniji 2004; Chatterjee et al. 2012; Singh et al. 2014). 
It should be noted that the medium in the aerobic B80 run 
became yellow/brown after 24 h, in contrast to the aerobic 
N80 that started to turn yellow/brown between 48 and 72 h.

The anaerobic results, shown in Fig. 2, display a clear and 
significant increase in %Δ[Pb] over time. Findings suggest 
no significant differences between %Δ[Pb] attained by the 

respective consortia under anaerobic conditions when con-
sidering the distribution of the data, perhaps indicating that 
similar strains of organisms were active (i.e. able to remove 
Pb(II)) under the relevant conditions. This is a distinct pos-
sibility given the anaerobic conditions with high background 
Pb-concentrations that might favour a limited subset of organ-
isms, specifically those capable of removing Pb(II) ions.

The %Δ[Pb] results obtained for the experiments com-
pare well with the published literature. Dabir et al. (2019) 
reported Pb(II) removals of between 39 and 58% after 72 h 
of a 400 ppm solution inoculated with industrial consor-
tia. Kafilzadeh et al. (2012) measured Pb(II) removals of 
between 60 and 90% in 11 h of an initial Pb(II) concentra-
tion of 450 ppm by various industrially isolated bacteria. 
Verma et al. (2017) observed a 98% removal of 80 ppm 
Pb(II) in 7 days by a sulphate-reducing consortium, and 
Kang et al. (2015) reported a 68% removal of 7 ppm Pb(II) 
from solution in 48 h by Enterobacter cloacae.

0 h 24 h 48 h 72 h 144 h

B80 
Aerobic

N80 
Aerobic

B80 
Anaerobic

N80 
Anaerobic

Aerobic 
Control

Anaerobic 
control

Fig. 1   Images showing the fermentation vials for the aerobic and anaerobic experiments as well as the corresponding abiotic control experi-
ments—aerobic and anaerobic. The figure shows the timescale from initiation of the experiments to completion at 144 h
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Optical density (OD600) and metabolic activity (MA) 
measurements

Figure 3 shows the measured optical density of light at 
600 nm (OD600) (a and b) as well as the metabolic activity 
in the reactors at 550 nm (MA) as measured by the MTT 

method (see Sect. 2.4) (c and d), for all the runs. The OD600 
results (Fig. 3a, b) demonstrate that a significant difference in 
the aerobic B80 and N80 cultures was observed. The OD600 
for the aerobic B80 cultures increased to 11.30 ± 0.85 absorb-
ance units (a.u) within the first 48 h, before decreasing to 
9.25 ± 0.09 a.u. during the remainder of the fermentations. In 
contrast, the results from the aerobic N80 culture exhibited a 
lag period until at least 24 h before increasing to 4.23 ± 1.15 
after 48 h and 6.70 ± 0.09 a.u. after 72 h. These results mirror 
the corresponding visual results shown in Fig. 1a, b for the 
aerobic conditions in the B80 versus N80 runs in which it can 
be seen that the growth for the N80 aerobic runs appeared less 
dense than the B80 aerobic run at the same experimental time.

The MA results (Fig. 3c, d) display a substantial increase 
in the MA for the aerobic B80 in the first 48 h, with an 
increase to 16.34 ± 0.77 a.u. within the first 24 h, followed 
by an increase to 62.42 ± 6.66 a.u. at 48 h. In the period 
between 48 h and 72 h, the aerobic B80 MA collapsed 
to 7.66 ± 0.27 a.u., remaining relatively constant for the 
remainder of the experiment with a final MA of 5.42 ± 0.19 
a.u measured after 144 h. In comparison, the aerobic N80 
MA remained nearly constant at a value of 0.31 ± 0.06 
a.u. for the initial 24 h; this was followed by an increase to 
4.53 ± 1.15 a.u. after 48 h before remaining relatively con-
stant for the remainder of the experiment with a final MA of 
3.56 ± 0.12 a.u after 144 h. It is notable that after 48 h, the 
aerobic B80 consortium was 13 times more metabolically 
active than the aerobic N80 culture, while only a modestly 

Fig. 2   %Δ[Pb] graphs for the aerobic and the anaerobic runs. The 
data points represent the average, and error bars indicate the standard 
deviation for the triplicate experiments

Fig. 3   OD600 of the a N80 an, 
b B80 graphs and the MA of the 
c N80 and d B80 runs for the 
aerobic and the anaerobic runs. 
The data points represent the 
average, and error bars reflect 
the standard deviation for the 
triplicate experiments

(a) (b)

(c) (d)
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better %Δ[Pb] of 76.6 ± 0.61% in the aerobic B80 culture 
was achieved as compared to 69.57 ± 2.84% in the aerobic 
N80 culture. The results hint at different microbial fractions 
with significantly varied metabolic characteristics present in 
the B80 culture. First, there appeared to be a highly active 
aerobic microbial fraction of the B80 consortium, which 
grew at a remarkable speed within the first 48 h before per-
ishing, likely because of starvation. This fraction had limited 
impact on the Pb(II) removal. Second, a less active fraction, 
which grew more slowly than the first, was responsible for 
the removal of Pb(II)-ions from solution.

In both anaerobic cultures, most of the change in OD600 
and MA took place within the initial 24 h; similar OD600 
values of 3.67 ± 0.03 a.u. and 3.27 ± 0.29 a.u., and MA val-
ues of 6.03 ± 0,14 a.u. and 5.06 ± 0.17 were measured in 
the anaerobic B80 and N80 cultures, respectively. This was 
followed by a slight divergence of the two OD600 curves; the 
B80 OD600 and MA remained nearly constant at an OD600 of 
3.78 ± 0.19 a.u and 5.38 ± 0.33 a.u. after 144 h. The anaer-
obic N80 culture dropped below the anaerobic B80 curve 
in the period from 24 h to 48 h resulting in an OD600 of 
2.75 ± 0.30 a.u. and MA of 3.84 ± 0.21 a.u. after 48 h. The 
latter OD600 and MA subsequently remained nearly constant 
for the remainder of the experiment resulting in final read-
ings of 2.61 ± 0.23 and 3.22 ± 0.31 a.u. after 144 h.

The overall MA results showed similar values for all 
the runs after 72 h that were maintained for the remain-
der of the experiments. This is remarkable considering the 
substantial increase in the MA in the aerobic B80 culture 
within the initial 48 h. This observation, coupled with the 
observation that similar Pb(II) removal trends were observed 
for all the runs, indicates similarities between the fractions 
of the consortia responsible for Pb(II) removal. Figure 4 
shows the correlations between corresponding OD600 and 
MA values measured for the aerobic (a) and anaerobic (b) 
conditions. The results from the aerobic B80 and N80 runs 
were described by two different correlations, a quadratic fit 
defined by Eq. (1) with a coefficient of determination (r2) of 
0.998, and a linear fit defined by Eq. (2) with an r2 = 0.936.

In addition, a strong correlation was observed between 
the OD600 and MA values for the anaerobic B80 and N80 
results. The combined results from the anaerobic B80 and 
N80 runs are well-described by a linear regression (Eq. 3) 
with an r2 = 0.967.

These results support the hypothesis that the B80 con-
sortium consisted of different population fractions with 
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− 0.976
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dissimilar metabolic activities. The fast-growing fraction 
of the aerobic B80 showed a nonlinear increasing MA per 
OD550 described by a quadratic function. This likely indicates 
an increased activity per biomass dry weight as a result of 
a higher enzyme concentration per mass of microbial cells 
during the fast growth section, assuming the OD600 is directly 
proportional to the mass of biomass in the system. Nannip-
ieri et al. (1983) reported a significant increase in microbial 
enzyme activity in response to the addition of energy sources, 
while Rinkes et al. (2014) reported an increase in activity 
per mass of an aerobic microbial consortium over time. In 
this study, the aerobic environment would provide increased 
ATP production to the aerobic B80 fraction through oxida-
tive phosphorylation in the metabolism resulting in increased 
biomass production. In contrast, the results from the slow-
growing fraction of the aerobic B80 consortium combined 
with the results from the aerobic N80 fraction follow a linear 
relationship with biomass concentration. This relationship 
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Fig. 4   Correlation between the OD600 and MA results obtained for 
the a aerobic runs and b anaerobic runs. The relationships described 
by Eqs.  (1) to (3) as well as the respective coefficients of determi-
nation are plotted in the figures and indicated with arrows. The data 
points represent the average values and error bars indicate the stand-
ard deviation for the triplicate experiments
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is described by Eq. (3) and indicates a constant activity per 
mass of microbial cells. The same observation can be made 
about the linear relationship between the MA and OD550 in 
the anaerobic B80 and N80 runs.

These results further indicate an increased activity in 
Pb-active biomass present under anaerobic conditions when 
compared to aerobic conditions; the MA per OD600 in the 
aerobic conditions are significantly greater than in the aero-
bic conditions, a slope of 1.539 versus 0.665 for the anaero-
bic versus aerobic correlations (Eqs. 2, 3). This phenom-
enon is likely a result of starvation conditions experienced 
by the Pb-active biomass under aerobic conditions due to 
competition for resources with the fast-growing aerobic bio-
mass. This competition for resources would be absent under 
anaerobic conditions therefore promoting greater metabolic 
activity of the Pb-active biomass.

SEM–EDX and XPS

The SEM micrographs presented in Fig. 5 show significant 
differences in the observed solid fractions formed in the 

respective runs. The micrograph of the aerobic B80 run (a) 
supports the hypothesis of cellular death with nearly no micro-
bial cells apparent and only precipitate observed. The shape of 
the precipitate points to the remains of microbial cells buried 
under the surface. EDX confirmed the presence of significant 
fractions of Pb within the precipitate, with atomic percent-
ages of between 0.42 ± 0.01% and 3.56 ± 0.93%. The sample 
preparation for the SEM micrographs involved multiple wash-
ing steps that would likely have removed any adsorbed Pb(II) 
from the surface of the cells, and therefore it can be concluded 
that the micrographs do not represent adsorbed Pb(II) but 
rather Pb-precipitates. The aerobic N80 micrograph (b) also 
shows the remains of ruptured microbial cells, specifically 
when the shapes are compared to the anaerobic micrographs 
(c) and (d). The cellular remains appear imbedded in the pre-
cipitate matrix. In contrast, the micrographs for both anaero-
bic cultures appear to show viable bacilli of approximately 
1–2 μm in length and 0.5–1 μm in diameter. These results 
mirror the MA and OD600 results which saw constant values 
measured until the termination of the experiments after 144 h, 

Fig. 5   SEM micrographs of the precipitate and bacteria for the a aerobic B80, b aerobic N80, c anaerobic B80, and d anaerobic N80 runs. The 
scale bar for the respective micrographs are indicated in the bottom right
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an indication of maintained viability in comparison with the 
reduction in MA and OD550 in the aerobic runs.

Both consortial precipitates showed that the microbial 
cultures were imbedded in the precipitate structure, suggest-
ing that the precipitation took place on the surface of the 
microbes as opposed to the precipitate being excreted from 
the microbes. This suggests an external precipitation mecha-
nism as opposed to an internal mechanism coupled with an 
excretion mechanism. Potentially, a surface electron trans-
fer mechanism could be active for direct Pb(II) reduction 
similar to that proposed by Mtimunye and Chirwa (2014) 
for the microbial reduction in U(VI) to U(IV). Alternatively, 
or additionally, sulphur-containing amino acids could be 
metabolised intracellularly, coupled with the excretion of 
sulphide to the medium which would then precipitate PbS on 
contact with dissolved Pb(II) in the medium. Loiseau et al. 
(2003) found evidence of a microbial cysteine desulphurase 
responsible for the biogenesis of FeS by the desulphurisation 
of cysteine to alanine which can in turn enter the TCA-cycle 
via pyruvate as a carbon source.

The XPS profiles for Pb-identification are presented in 
Fig. 6. The relative abundance of the Pb-species present in 
the precipitates is reported in Table 1. The XPS results pro-
vide interesting insight into the mechanism of Pb-precipitate 
formation present in the different consortia for the aerobic 
and anaerobic conditions. The aerobic B80 and N80 XPS 
results show that the Pb-precipitate presented exclusively as 
PbO and elemental Pb. This observation is corroborated by 
the observed colour of the precipitate being yellow/brown. 
In comparison, the anaerobic B80 and N80 results indicated 
significant fractions of PbS present in the precipitate, likely 
a result of the liberation of S2−-ions during the catabolism of 
sulphur-containing cysteine and methionine by the organism.

The lack of PbS in the aerobic runs can possibly be attrib-
uted to the oxidation of any S2−-ions intracellularly prior to 
excretion. The lack of PbSO4 or PbSO3 precipitates is likely 
a result of the difference in the solubility products of PbS 
(3.2 × 10−28), PbSO4 (1.8 × 10−8), and PbSO3 (2.5 × 10−8), 
which resulted in significantly lower precipitation of PbSOx 
observed. The differences in solubility products translate to a 

(a) (b)

(c) (d)

Fig. 6   XPS profiles of Pb-species for the a aerobic B80, b aero-
bic N80, c anaerobic B80, and d anaerobic N80. The peaks at 
137.6 eV and 142.5 eV in (b) were identified as secondary Pb0-peaks 

as opposed to PbS or PbO2, due to the absence of sulphide and 
PbO2-specific oxygen peaks in the XPS profiles for sulphur and oxy-
gen (not shown)
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maximum SO4
2− concentration of 4.47 mg L−1 and SO3

2− of 
5.18 mg L−1 before precipitation is observed as compared to 
2.00 × 10−20 mg L−1 S2−. Alternatively, aerobic conditions 
inhibited the metabolism of sulphur-containing amino acids 
and consequently suppressed the formation of sulphur spe-
cies in solution. The difference in sulphur presence between 
the anaerobic and aerobic runs requires further investigation.

The balance of the Pb-precipitates in all the runs was 
a combination of PbO and Pb0. The hypothesis is that the 
measured PbO is due to the oxidation of elemental Pb in 
the aerobic runs or as a result of oxygen exposure during 
sample preparation in the anaerobic runs. The main motiva-
tion for this argument hinges on the presence of exclusively 
PbS, PbO, and elemental Pb. The oxidation of PbS to PbO 
at intermediate temperatures leads to a partial oxidation of 
PbS to PbO and PbSO4; for complete oxidation of PbS to 
PbO to occur, temperatures in excess of 800 °C are required 
(Abdel-Rehim 2006). This means that the PbO was pro-
duced independently from the PbS. Additionally, no precipi-
tate was observed in abiotic aerobic and anaerobic control 
experiments (Fig. 1e, f), indicating that the Pb(II) did not 
chemically react with oxygen to produce PbO. Therefore, the 
presence of PbO could not be attributed to the presence of 
oxygen in the aerobic system and by extension excludes oxi-
dation as a result of trace amounts of oxygen in the anaerobic 
experiments. It is more likely that the PbO was formed either 
directly by the microbial action in the system or because of 
the oxidation of elemental Pb during the aerobic runs or dur-
ing processing of the precipitate for XPS analysis.

Elemental Pb oxidises spontaneously in normal atmos-
phere to form a layer of PbO; the overall redox reac-
tion 2Pb + O2 → 2PbO has ΔG < 0 (Hitchman et al. 1997). In 
this system, the formation of PbO from Pb(II) would require a 
source of oxygen, most likely from H2O. This would result in an 
increase in H+ ions and a subsequent decrease in pH. The final 
pH for all anaerobic fermentations involving these consortia 
was previously reported to be in the range of 5.5–6.5 (Brink 
et al. 2017; Brink and Mahlangu 2018; Peens et al. 2018); this 
scenario is therefore unlikely. It is concluded that the precipitate 
formed under aerobic conditions by the microbial species was 
initially exclusively elemental Pb, and under anaerobic condi-
tions consisted of a mixture of PbS and elemental Pb.

The researchers hypothesise that the microbial production 
of Pb-precipitate under aerobic conditions is related to an oxi-
dation–reduction mechanism, while under anaerobic precipi-
tation, it is related to a combination of an oxidation–reduction 
mechanism and a sulphide-liberation mechanism through the 
catabolism of the sulphur-containing amino acids cysteine 
and methionine. This implies that the Pb(II) initially loaded 
into the batch reactors acted as an electron acceptor in all 
cases. Carbon sources would be oxidised to CO2 during 
catabolism, releasing a number of electrons which, in turn, 
reduced the Pb(II) to elemental Pb-precipitate. Significantly, 
the precipitate formed has the potential to recover lead from 
processing plant and mine tailings waste streams as it can 
be recycled and processed together with the mined galena 
during Pb-smelting (Shamsuddin 2016). From a thermo-
dynamic perspective, the reduction of Pb(II) requires free 
energy ( ΔG

R

◦� = 12.4 kJ (mol e−)−1 transferred) (Vanýsek 
2011:8–23), while the oxidation of proteins (amino acids) 
provides free energy for the organism ( ΔG

R

◦� = − 32.2 kJ 
(mol e−)−1 transferred) (Kienzler and Swanson 2017:10) 
resulting in a net free energy of ΔG

R

◦� = − 19.8 kJ (mol e−)−1 
transferred. ΔG

R

◦� describes the Gibbs free energy of the 
oxidation–reduction half-reaction at a pH of 7, temperature 
of 25 °C, and activities of the species of 1 M. In compari-
son, the reduction of oxygen provides large amounts of free 
energy to the system ( ΔG

R

◦� = − 29.5 kJ (mol e−)−1 trans-
ferred) (Vanýsek 2011:8–23), therefore favouring the aerobic 
metabolism as a source of energy due to the large net energy 
ΔG

R

◦� = − 41.9 kJ (mol e−)−1 transferred.

Conclusion

Results indicate that the consortia obtained from the mine 
and the recycling plant behaved comparably during Pb-pre-
cipitation experiments under corresponding aeration condi-
tions, with similar Pb-removal capabilities of the consortia 
observed. Similarities are attributed to the high Pb-content 
in the reactors and the scarcity of organisms capable of 
thriving under such conditions. However, significant differ-
ences between the consortia were observed with respect to 
growth and metabolic activities under aerobic conditions; 
the B80 consortium displayed substantially greater growth 
and metabolic activities when compared to the N80 consor-
tium. These differences were attributed to a mixed culture 
with dissimilar activities and growth behaviour exacerbated 
by the presence of oxygen under aerobic conditions. The 
precipitate identities were confirmed by XPS analysis to 
be mostly elemental Pb which spontaneously oxidised to 
PbO in the aerobic runs, while mostly PbS combined with 
elemental Pb was observed in the anaerobic runs.

This study provides the first evidence of bacterial dissimi-
latory reduction of Pb(II) to elemental lead in the literature. 

Table 1   XPS results showing the relative abundance of Pb-species 
present in the precipitates obtained from the aerobic and anaerobic 
B80 and N80 cultures

Consortium Conditions PbO (%) Pb0 (%) PbS (%)

B80 Aerobic 89 11 0
Anaerobic 38 8 54

N80 Aerobic 79 21 0
Anaerobic 76 4 20
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It is hypothesised that the precipitation of the Pb involves an 
oxidation–reduction mechanism in which the Pb(II) in the 
growth media acts as an electron acceptor. Under anaero-
bic conditions this mechanism was linked to the liberation 
of sulphide ions by the catabolism of sulphur-containing 
amino acids, which resulted in the precipitation of PbS and 
elemental Pb. The high-percentage Pb-removal (in excess 
of 78% for all the runs) indicates a promising concept for 
the immobilisation and possible recovery of Pb from con-
taminated water sources, including industrial waste streams, 
rivers, and groundwater sources.
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