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Abstract
Dredged materials from navigation channel maintenance represent a potentially valuable resource for wetland creation and
restoration. In the northern Chesapeake Bay, fine-grained sediments from Baltimore Harbor approach channels are transported
by barge southward for creation of wetlands on the site of an eroded island. High concentrations of ammonium, soluble reactive
phosphorus, dissolved iron, and iron sulfide minerals in channel deposits are altered by the transport and drying of these materials
prior to wetland development. The oxidation of iron sulfide minerals results in low pH, with the initiation of tidal inundation
removing sulfuric acid from near-surface soil horizons and moderating the soil pH. Despite the loss of ammonium during
dewatering and soil processing, the resultant soils retained high concentrations of dissolved and adsorbed ammonium. Iron-
associated inorganic phosphorus represented a large pool of potentially labile phosphorus and along with the high ammonium,
resulted in high nutrient concentrations for plant growth. Combined with results on plant growth presented elsewhere, these data
suggest that fine-grained dredged materials from non-contaminated environments are well suited for the creation of tidal wetlands
after placement and seasoning 1–2 years.
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Introduction

The dredging of navigation channels in estuarine and coastal
environments often results in large quantities of sediment that
must be disposed of, either by re-deposition in subtidal envi-
ronments, placement in upland containment facilities (Coch
1996), or for beneficial use (Hamons and Young 2000; Yozzo
et al. 2004; Maher et al. 2013). In the upper Chesapeake Bay,
containment facilities for contaminated dredged sediments
(aka dredged materials) and bottom placement away from
navigation channels for “clean” materials were the primary
placement options utilized in the past. In recent decades, par-
ticularly in the face of wetland and shoreline losses, clean
dredgedmaterials have been increasingly viewed as a resource
for wetland restoration. In Maryland, placement of dredged
materials in sub-tidal locations was disallowed by law, after
a contentious debate (Poltrack 2000). The scientific literature

and political discussion regarding dredged materials have gen-
erally focused on the negative impacts of dredging on affected
benthic communities, often because of chemical contamina-
tion (Cappuyns et al. 2006) and other effects on living re-
sources (Carter III 1986).

Losses of Chesapeake Bay islands, wetlands and coastal
land via inundation and/or erosion have been observed
throughout the northern Chesapeake Bay (Kearney and
Stevenson 1991; Kearney et al. 2002; Wilson et al. 2007)
and sediment infill has limited navigation since the time of
European land clearing (Gottschalk 1945). While conversion
of upland to wetland may help mitigate future tidal wetland
losses (Schieder et al. 2018), sea- level rise has contributed to
considerable marsh degradation throughout the Chesapeake
Bay (Kearney et al. 2002; Beckett et al. 2016). Because of
the value of coastal wetlands for capturing sediment, mitigat-
ing storm surges, providing essential habitat for aquatic, ter-
restrial and avian animals, and removal/storage of nutrients
and carbon (Costanza et al. 1989; Merrill and Cornwell
2000; Wilson et al. 2007; Hopkinson et al. 2008), increased
acreage of wetlands has been cited as a performance metric for
the ecological restoration of the Chesapeake Bay (Chesapeake
Bay Program 2014). Consequently, efforts to restore and
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create wetland acreage are considered extremely valuable to
Chesapeake Bay ecosystem restoration. While many opportu-
nities for large scale restoration are limited by financial re-
sources, the requirement for maintenance of navigation chan-
nels commerce can provide resources for the beneficial use of
dredged materials, including wetland restoration and creation.

In many cases, wetland creation and restoration projects have
utilized coarse grain sediments, primarily because of their ease of
handling and local availability. However, navigation channel de-
posits in the upper Chesapeake consist of fine-grain materials
whose relative mobility, high water content, and in some cases,
elevated concentrations of contaminants, pose environmental
and logistical challenges. In addition, estuarine sediments can
be highly enriched in nitrogen, phosphorus, hydrogen sulfide
and iron sulfide minerals (Cornwell and Sampou 1995;
Cornwell and Owens 2011). The oxidation of iron sulfide min-
erals results in the production of sulfuric acid (Portnoy andGiblin
1997; Demas et al. 2004) and represents a potential challenge to
wetland plant success. In this paper, defining sediments as the
material collected from the bottom of the bay and soils as the
samematerial after placement in wetlands, we describe the trans-
formation of sediments dredged from the upper Chesapeake Bay
to wetland soils placed on the footprint of an eroded island. This
paper characterizes both estuarine sediments prior to dredging
and the wetland soils created from the placement of these mate-
rials. Although not an emphasis in this paper, the fertility-related
effects of high nutrients are described in a companion paper
(Staver et al. In review).

Methods

Study Area

The Port of Baltimore, located 260 km north of the mouth of the
Chesapeake Bay, utilizes the deep Chesapeake Bay paleo chan-
nel (Colman et al. 1990) for most of the traverse of marine ships
plying waters north of Norfolk, Virginia (Fig. 1). Above the
William Preston Lane Jr. Memorial Bridge near Annapolis,
Maryland, a series of approach channels are incised in the bay
bottom leading to the Patapsco River sub-estuary (Baltimore
Harbor). Above the Patapsco River, channels extend northward
to the Chesapeake and Delaware Canal. Sediment sources in this
upper part of the Chesapeake Bay are dominated by
Susquehanna River fluvial inputs from the 71,000 km2 water-
shed, supplemented by shoreline erosion (Hobbs III et al. 1992).
Interception of sediment by three dams in the lower Susquehanna
River is thought to have decreased because of dam infill (Zhang
et al. 2016). Dredging in the approach channels is carried out
using clamshell dredges, with sediments placed in barges for
transport southward to Poplar Island. Dredging volumes vary
year to year, but upper bay dredging averages ~3.5 × 106 yd3

(2.7 × 106 m3) of wet sediment per year.

The Paul S. Sarbanes Environmental Restoration Project at
Poplar Island (Poplar Island), a 694 ha restoration project, is the
major site for dredged material placement from the Port of
Baltimore approach channels, with placement initiated in 2001.
Poplar Island is split between upland and wetland restoration
areas and is surrounded by an exterior containment dike. The
interior of the island consists of a series of wetland and upland
“cells” separated by dikes. Dredgedmaterials are off-loaded from
the barges by slurrying the sediment with adjacent bay water and
the material is pumped into the various cells where the material
disperses by gravitational flow. After the sediment settles, water
is removed from the soil surface, repeatedly pumped from in-
cised drainage ditches, and allowed to dry for 3–8 years, with the
soil becoming highly consolidated. Prior to cell development, the
cell surface is incised with marsh creeks and graded to elevations
appropriate for high (Spartina patens) and low marsh
(S. alternifora) communities. The connections to tidal waters
were made 3–13 months prior to planting in the calendar year
in which planting occurred; culverts connected the wetland cell
and tidal waters. The data shown here are generated from the first
year of cell development, typically during or soon after spring
planting of the marshes. Planting occurred on 0.46 m centers for
Spartina patens and 0.91 m centers for S. alternifora; soil sam-
pling was not influenced by the slow spreading first-year plants.

Field Sampling

Sediments were collected in 1998 and 1999 from navigation
channels that were scheduled for dredging. The cores collect-
ed here have been described previously for the concentrations
of adsorbed and pore water ammonium (Cornwell and Owens
2011). Cores were collected at the bottom “notch” at the edge
of the channel, locations that generally accumulate fine-
grained sediments most rapidly. A gravity corer was used with
a 7 cm inner diameter polycarbonate liner and cores were
extruded using a N2-filled glove bag to minimize oxidation
of dissolved iron (Bray et al. 1973) and co-precipitation of
soluble reactive phosphorus (SRP). For pore water, sections
up to 50 cm were homogenized and 50 mL centrifuge were
filled. Samples were centrifuged for 20 min at 2000 g at room
temperature, filtered with a 0.45 μm syringe filter, and stored
frozen until analysis. Samples for pore water iron and SRP
concentration were separated immediately into the final anal-
ysis vials and hydrogen sulfide reagent added immediately to
a 1 mL sample. The sediment remaining in the centrifuge tube
was frozen until analyzed.

Pore water chemistry was determined in Poplar Island wet-
land soils using equilibrators (Hesslein 1976). For the initial
part of this study when surface soils were very compacted
from drying, a pilot-hole was established by inserting into
the soil a 50 cm long rectangular metal form in the shape of
the equilibrator. The equilibrators had multiple 2.5 cm wells
covered with a polycarbonate membrane. In the latter part of
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the study, a round equilibrator was inserted into the soil after
insertion of a power auger, with similar size wells. The solid
phase analyses from wetlands sampling presented here are
generally from the 0–10 cm soil horizon and were collected
by hand insertion of acrylic cores or use of a trowel. Soil
samples were kept moist for grain size analysis or dried at
65 °C for chemical analyses. In addition to the sampling of
surface soils, deeper profiles (> 1 m) in wetland cells were
collected using a soil auger and analyzed for solid phase con-
stituents. Additionally, vertical (0–75 cm) pH and chromium-
reducible sulfur (CRS) (Canfield et al. 1986) samples were
collected from a cell during the dewatering process, with
vibracoring employed for sample collection.

Analyses

Pore water SRP and ammonium (NH4
+) were analyzed color-

imetrically (Parsons et al. 1984), dissolved chloride and sul-
fate were analyzed on an ion chromatograph, hydrogen sulfide
was analyzed colorimetrically (Cline 1969) and dissolved iron
was analyzed using a Ferrozine colorimetric procedure (Gibb
1979). Adsorbed ammonium was analyzed colorimetrically
after KCl extraction (Cornwell and Owens 2011) and chromi-
um reducible sulfur, a measure of ironmono-sulfide and pyrite
sulfur concentrations, was analyzed on dry samples using a
chromium (II) acid extraction (Canfield et al. 1986). Dried
samples have been shown to provide similar data to analyses

Fig. 1 Location of Baltimore
approach channels and Poplar
Island in the northern Chesapeake
Bay. The triangles show the
locations where gravity cores
were collected to characterize
sediment deposits prior to
dredging (Cornwell and Owens
2010). The west side of Poplar
Island facing the mainstem
Chesapeake Bay is split into a
series of “cells” that will be
developed into upland habitat
while a series of cells on the
eastern side have been developed
into wetlands
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on frozen samples (Morse and Cornwell 1987). Total carbon and
nitrogen concentrations were analyzed on a CHN analyzer
(Cornwell et al. 1996). Grain size was analyzed for sand, silt
and clay fractions by sieving and pipet analysis (Sweet et al.
1993). Total and inorganic phosphorus were extracted in HCl
on ashed/un-ashed sediments and soils and analyzed colorimet-
rically (Aspila et al. 1976) andHCl-extractable ironwas analyzed
on the un-ashed HCl extract (Leventhal and Taylor 1990).

Statistics

Box plots were used to present the data from individual wet-
land cells. For the solid phase data, 0–10 cm sections were
used to compare the initial condition in each wetland cell or
from dredged channel sediment collections. Because the data
failed Shapiro-Wilk normality tests, a Kruskal-Wallis One
Way Analysis of Variance on Ranks was carried out and
pairwise comparisons made. Significance was set at
P < 0.05. Linear regressions were employed on selected data
sets and significance of slopes set at 0.01. All statistical data
are included in supplemental materials. In all cases, when
means are presented in the text and tables, the standard devi-
ation is shown. Median concentrations are presented because
they are shown in box plots and for many analytes the data are
not normally distributed.

Results

A key element of the processing of dredged materials is the
removal of water from the original channel deposits as well as
the water used to slurry the sediment and pump it into the
cells. Considerable effort was expended to dry the soils to 1)
enhance the capacity of the cell via surficial soil compaction
and 2) allow heavy equipment to traverse the cells to incise
channels and set final elevations relative to tide. The wetland
cells had variable times after sediment addition in which the
soils developed under dry conditions prior to tidal inundation

(Table 1). The timing of the initial geochemical assessment
after inundation also was variable, with soils exposed to tidal
waters 3–8 months prior to pore water sampling. The channel
sediments had median and average water content of 58%,with
the compacted wetland soils havingmedian and average water
content of 37% (Fig. 2). Assuming a soil solid phase density
of 2.65 g cm−3, the median bulk density of Poplar Island soils
(1.09 g cm−3) is about twice that of the channel sediments
(0.56 g cm−3).

While in this study sediment grain size was not measured in
channel deposits in the Upper Chesapeake Bay, sand was gen-
erally not observed to be an important part of the sediment
matrix in maintenance dredging and is more commonly asso-
ciated with channel widening and deepening. Although the
dredged materials were dominantly fine-grained, the marsh
surface was often amended with sand dredged near Poplar
Island, often in a non-uniform pattern within a cell, with a goal
of matching the wetland cell elevation design specifications
(Fig. 3a). Elevation was a function of inputs, dewatering of
soils, deformation of underlying original “bay bottom” by the
weight of the added materials, and sand additions. The variable
sand content is illustrated by data from Cell 3D (Fig. 3b), with
many samples being dominated either by mud (silt + clay) or
by sand. Adjustment to elevation varied from cell to cell and
was reflected in the distribution of sand in the wetland cells.

The drying of the surface soils after the removal of overly-
ing water results in formation of large cracks, with eventual
smoothing of the soil after a year or two (Fig. 4a). After drying
of the upper soil horizons (Fig. 4b), low pH (4–5) was ob-
served in the top 20 cm of soil (Fig. 4c), with very low con-
centrations of CRS in the upper layer (Fig. 4d). Below 40 cm,
the CRS concentrations were ~ 0.5%. Similar observations are
shown in a profile from Cell 5AB (Fig. 5g), with the upper
meter of soil having CRS concentrations <0.025% and deep
horizons approaching 0.5%. Average concentrations of CRS
in 0–10 cm soil horizons ranged from 0.015 to 0.043% S,
considerably smaller than the channel sediment (Fig. 6b) av-
erage of 0.395 ± 0.225% S.

Table 1 Timing of wetland cell
development. The final lift year
corresponds to the final addition
of dredged materials; for Cell 3C,
local harbor sand was the last
material added. The inundation
time prior to the sampling of pore
water is the length of time the cell
was flooded prior to sampling.
Total dredged material placement
was 3.1 × 106 cubic yards (2.4 ×
10−6 m3)

Cell
ID

Final
Lift
Year

Planting
Year

Inundation To Pore
Water Sampling
(mo)

Added
Sand?

Area
ha

Placed
Quantity
106 yd3

3D 2003 2006 6 x 13 0.42

1A 2006 2009 3 18 0.49

1C 2006 2011 6 16 0.55

1B 2006 2012 6 15 0.34

3A 2007 2015 13 x 22 0.49

3C 2010* 2016 10 x 23 0.50

5AB 2012 2018 10 x 36 0.35

*Harbor sand added

1676 Wetlands (2020) 40:1673–1686



Profiles of pH in the Cell 5AB core (Fig. 5h) showed a pH
minima at 40–60 cm, suggesting that tidal flooding 10months
prior to sampling had partially flushed the soil of acid,
resulting in higher pH in the upper soil. Higher pH deep in
the 5AB profile is consistent with soil that has not been altered
by oxidation. Overall, the surficial soil pH conditions ob-
served during planting activities (Fig. 6c) showed a pH range
from 4.2 to 7.9, with median and average pH of 6.2 and 6.2 ±
0.7 respectively.

The HCl-extractable Fe is generally related to the con-
centrat ion of iron oxide minerals plus any iron
monosulfide minerals present (Leventhal and Taylor
1990), though this extraction may underestimate the con-
centration of crystalline iron oxides (Raiswell et al. 1994).
This analysis does not include most pyrite-associated Fe
(Cornwell and Morse 1987). Below the top 40 cm of soil
in Cell 5AB, the concentration of extractable Fe was in
excess of 20 mg g−1 (Fig. 5f) and generally similar to
observations in the upper Chesapeake Bay (Cornwell
and Sampou 1995). The decreased concentrations in the
top 40 cm reflect the addition of sand to raise the marsh
elevation. There was a broad range of HCl-Fe concentra-
tion in the top 10 cm of new cells, reflecting the effects of
dilution by sand (Fig. 6d).

The low pH of dredge soil results in a loss of any CaCO3

from the channel sediments, and the total C present is organic
C. In the deeper, fine grained soil horizons in Cell 5AB, con-
centrations of C approached 3% (Fig. 5b). Considerable var-
iability was observed in C concentrations in surficial soils at
the outset of cell development (Fig. 7a; Table 2). All but Cell
1B concentrations were lower than the average dredge chan-
nel C concentrations (3.40 ± 0.84%). Using all data from Cell
3D, the site with the greatest number of initial analyses (104),
the percent mud (silt + clay) is positively correlated (P < 0.01)
with C concentrations (Fig. 8a). Cells 1B, 1C and 3A have the
lowest median sand (no grain size data for Cell 1B; Fig. 3b),
and these three cells have the highest concentration of carbon.
Thus, the carbon concentrations appear to be related to the
overall soil grain size and the dilution of dredged materials
by sand has a strong influence on C concentration. Carbon
oxidation during drying and the fallow period prior to planting
may result in surficial soil C losses, and C inputs from “vol-
unteer” plants naturally recruited to the soils surface under
non-flooded conditions may also contribute organic matter.

Total N concentrations had the same general pattern as C con-
centrations, with lower concentrations (< 0.2% N) in the upper
horizons of Cell 5AB (Fig. 5c) resulting from dilution by sand.
This dilution is evident from a plot of N versus mud in Fig. 8b.
Surficial concentrations of N in wetland cells were lower
(P< 0.01) than upper Bay channel sediments in Cells 1A, 3A,
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3B, 3C, and 5AB (Fig. 7b). The adsorbed ammonium in the upper
part of Cell 5AB (Fig. 5d) was generally <0.02 mg N g−1 and in
the top 1.6 m of soil, the adsorbed NH4

+ averaged 1.0 ± 0.3% of
the total N. In the 1.6–1.8 m horizon, ~ 5% of the total N occurred

as adsorbed NH4
+. The adsorbed NH4

+ in the deepest
section (0.15 mg N g−1) was similar to observations in
dredged channels (0.16 ± 0.05 mg N g−1) using identical
techniques (Cornwell and Owens 2011).

Fig. 4 Photos of time course of
dredging sediment drying (a) and
resultant water content (b), pH (c)
and CRS (d) profiles for two
cores collected ~2.5 yr after
dredged material deposition
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Ratios of C:N can be somewhat useful for distinguishing
sources of organic matter, with higher ratios suggesting less
labile organic matter sources (Thornton and McManus
1994). Average molar C:N ratios of the surficial organic
matter ranged from 10.8 to 14.2 (Fig. 7c; Table 2), with
the highest average ratio in Cell 1B. The Cell 1B C:N ratios
were higher than all other cells and channel sediments, with
the exceptions of Cells 1A and 3A. The high outliers evident
in the channel sediments likely result from fluvially-derived
coal from deposits in the Susquehanna watershed (Goldberg
et al. 1978). Overall these ratios are somewhat higher than
those in algal-dominated mesohaline sediments (Cornwell

et al. 1996) and are consistent with a mixture of both terres-
trial and algal organic matter (Cornwell and Sampou 1995).

Total P concentrations were affected by dilution from
sand, as shown in a vertical profile (Fig. 5e). Inorganic
P is the dominant form of P in these soils. Average
total P concentrations in surficial soils varied from
0.44 to 0.94 mg g−1 in the wetland cells, with channel
sediments averaging 1.24 mg g−1 (Table 2; Fig. 6a).
Channel sediments were significantly higher (P < 0.01)
than surficial wetland soils from Cells 3D, 1A, 3C and
5AB and were significantly correlated with the percent
mud (Fig. 8c) in Cell 3D.

Fig. 5 Sediment characteristics of
a wetland cell (5AB) after channel
incision and exposure to bay wa-
ter. Decreased concentrations of
C, N, P and HCl-Fe in the surface
20 cm reflect dilution by sand
added to meet elevation targets.
The concentrations of inorganic P
(IP) and organic P (OP) are
summed to sediment total P
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The pore water NH4
+ profile derived from all Cell 3D data

(Fig. 9a) showed an increase with depth, averages increased from
406 ± 319μmol L−1 at 2.5 cm to 1638 ± 949μmol L−1 at 45 cm.
These high concentrations represent a large source of NH4

+ for
initial plant growth. The NH4

+ channel data from Cornwell and
Owens (2011) averaged 2651 ± 2544 μmol L−1 and was signif-
icantly higher (P < 0.05) than the data from all wetland cells
except Cells 1C and 3C (Table 2). Cells 1B and 3A had lower
concentrations of NH4

+ than all other cells (P < 0.01).

The pore water SRP concentration (Fig. 9b) profiles had
median concentrations almost two orders of magnitude lower
than the NH4

+ concentrations, with little vertical structure.
The data range at each depth was quite high, with the highest
concentrations exceeding 100 μmol L−1. Wetland and channel
SRP showed similar variability (Fig. 10b), with significant
differences (P < 0.05) observed between the channel data
and data from Cells 3A, 3B, 3C and 1A. Cell 1B pore water
SRP is not significantly different from channel data, but also is
higher than cells 3A, 3B, 3C and 1A. The lowest concentra-
tions were observed in Cells 1A and 3A, which were
significantly lower (P < 0.05) than the data from the
channel and the other wetland cells. The pattern of cell
to cell SRP concentrations differences did not mirror
that of NH4

+, with the exception that the channel data
was among the highest concentration grouping.

Fig. 6 Box plots of 0–10 cm sediment chemistry in the wetland cells after
tidal inundation commenced and during the year the wetlands were
planted. The total P (TP) and chromium reducible S (CRS) are box plots
of all data from the wetland cell, with between 17 and 104 observations
per box. The box plots of pH and HCl-extractable Fe represent data from
all wetland cells and have 172 and 140 observations respectively. The
channel sediment is referred to as “Bay”

Fig. 7 Box plots of C, N and molar C:N ratios using all channel data and
all 0–10 cm data from wetland cells at the time of planting
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Pore water iron concentrations were generally very
high (Table 2; Fig. 10c) and in most cells was highly
variable. The Fe data from the channel and Cells 3D,
1C, and 5AB were all significantly higher (P < 0.05)
than data from cells 1A, 1B and 3A. Median pore water
Fe concentrations in wetland cells ranged from 1.9 to
140 mg L−1, with a median channel concentration of
191 mg L−1. Although pore water H2S was observed
at one channel site, no measureable H2S concentrations
were observed in Poplar Island wetland sediments.

The accumulation of SO4
2− from pyrite oxidation is

best expressed as a molar ratio of SO4
2− to Cl−, with

ratios higher than the sea water ratio (0.052) indicating
a sediment enrichment of SO4

2− and lower values
resulting from SO4

2− reduction. In Poplar Island wetland
cells, the mean and median ratios of SO4

2− to Cl− were
all higher than the sea water ratio, with the exception of
the data from Cell 3C. Median wetland cell molar SO4

2

− to Cl− ratios ranged from 0.052 to 0.117, a substantial
enrichment of SO4

2−.

Discussion

The changes in sediment chemistry described here are
specific to the techniques employed at Poplar Island,
including dredging, placement, drying, and reworking
of soils in preparation of planting. Other restoration ap-
proaches, such as thin-layer marsh enhancement (La
Peyre et al. 2009), may have different amounts of dry-
ing and re-oxidation than observed in the multi-year
approach to marsh development at Poplar Island. In this
study, the dewatering of sediment initiates the major
changes in sediment chemistry, with the most obvious
change associated with the oxidation of iron sulfide
minerals such as pyrite:

4FeS2 þ 15O2 þ 8 H2O→2Fe2O3 þ 8 H2SO4

Because of the ready availability of atmospheric oxy-
gen in these shallow systems, the consumption of oxy-
gen likely has few ecological consequences, except at
the heads of creeks during warm summer months. The

Fig. 8 Parameter plots of sediment composition versus the percent mud
(silt + clay) are presented in a-d, panel e shows a plot of inorganic P
versus HCl-Fe, Panels f and g show plots of N and organic P versus C,

and panel h shows organic P versus N. All correlations are significant
(P < 0.05) and regression lines are plotted. All data are from Cell 3D
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low pH from iron sulfide mineral oxidation during the
drying of dredged materials is also a concern for release
of metals (Cappuyns et al. 2004). The introduction of
tidal exchange prior to planting provides a mechanism
for the removal of sulfuric acid, with median pH values
>6 at the time of planting (Fig. 6c); a pH minima in
sediment pH profi les (Fig. 5h) well below the
soil surface results from such exchange, with pH above
the minima increased by exchange with bay water and
pH below the minima resulting from incomplete pyrite
oxidation. Although iron sulfide oxidation of recently
placed dredged materials can be an issue for upland
fertility (Bramley and Rimmer 1988), the pH in Poplar
Island soils are similar to the pH of 6 shown to be well
suited to Spartina alterniflora success (Linthurst and
Blum 1981).

Pore water iron concentrations are high in both
dredged channels and in the pore waters of Poplar
Island wetland cells (Fig. 10c). Re-wetting of the soils,
after drying and oxidation of iron sulfide minerals, re-
sults in re-establishment of anaerobic conditions and

iron reduction, resulting in dissolved Fe. The presence
of high concentrations of extractable Fe poises the re-
dox of these wetlands at the Fe(III) – (Fe II) couple
(Johnston et al. 2011). The re-introduction of diffusive
transport under flooded conditions at the soil surface,
combined with reactive estuarine organic matter and
abundant iron oxides, results in a substantial buffer
against the development of pore water hydrogen sulfide.
This buffer occurs because of the high concentrations of
Fe(III) oxides as well as the solubility limitation of dis-
solved sulfide when dissolved iron concentrations are
high (Morse et al. 1987).

Although pore water NH4
+ concentrations are gener-

ally lower than the pore water concentrations observed
in dredged channels in the upper Chesapeake (Fig. 10a),
they are relatively high in most wetland cells at Poplar
Island. We observed no relationship between the dura-
tion of tidal flooding prior to sampling and the NH4

+

concentrations in the soil. At the outset of this restora-
tion project, fertilizer was added to the plantings to
ensure plant success, but was shown to be unnecessary;
the high NH4

+ concentrations result in exceptionally
high above ground biomass (Staver et al. In review).
The processing of dredged materials prior to wetland
cell development results in losses of nitrogen to the
soils (compared to upper bay channel sediments). The
addition of water to the dredged material during off-
loading from barges results in the dilution of pore water
NH4

+ and exchange of adsorbed NH4
+ to the added

water. This elutriation of the adsorbed NH4
+ by added

water releases NH4
+ similar to the KCl extraction com-

monly used for adsorbed NH4
+ characterization

(Cornwell and Owens 1999). Comparing the KCl-
extractable NH4

+ in both channel and wetland environ-
ments suggests a loss of NH4

+ of 85–90% of the
amount dredged from the channel. Inputs of NH4

+ from
decomposition of organic matter in these estuarine-
derived particulates may also have an effect on NH4

+

concentrations. Losses result from dewatering of the soil
and discharge to surrounding bay waters, uptake by vol-
unteer upland plants prior to flooding and uptake by
algae; low pH in ponded water suggest losses as NH3

to the atmosphere are likely minimal due to a predom-
inance of NH4

+ over NH3 (Larsen et al. 2001).
The resulting pore water SRP concentrations likely

result from interactions with the abundant solid phase
Fe. A strong correlation between extractable Fe and in-
organic P (Fig. 8e) is consistent with the importance of
Fe to P cycling in Chesapeake Bay sediments (Jordan
et al. 2008). The high variability of pore water SRP
suggests that the controls on SRP solubility are complex
and variable, and the abundant solid phase inorganic P
represents a large pool of potentially bioavailable P.

Fig. 9 Vertical box plots of pore water NH4
+ (a) and SRP (b) from Cell

3D at time of planting. Each box is derived from 30 to 32 data points
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While high N:P ratios in pore water suggests that plants
might be P limited, these large inorganic P concentra-
tions in soils suggests that neither N or P would limit
plant growth during the initial phases of marsh estab-
lishment. The retention of Fe-bound P likely will de-
crease with marsh development, as the production of
iron sulfide minerals usually results in loss of P-
adsorbing surface area (Roden and Edmonds 1997;
Lehtoranta et al. 2009). Sulfate reduction would likely
proceed for a considerable period without sulfate limita-
tion because of the large excess of pyrite-derived sulfate
in the soils at Poplar Island.

The high nutrient concentrations observed at the time of
planting generally resulted in extremely high above-ground
biomass (Staver et al. In review) in the year after planting,
with S. alterniflora reaching 2 m in height (Fig. 11a). The
high plant biomass results in the rapid attenuation of NH4

+

concentrations in these soils (Fig. 11b).

Conclusions

Poplar Island wetland soil chemistry is shaped by 1) the
character of the sediment dredged from navigation chan-
nels, 2) the dilution of sediments with bay water during

offloading and transport of sediments to wetland cells,
3) the removal of overlying water and drying of soils
resulting in both the removal of NH4

+ and oxidation of
iron sulfides, and 4) tidal inundation and drainage. Bay
channels receive inorganic sediment from fluvial and
shoreline erosion and their character in the channels is
influenced by inputs of organic matter and microbial
processes that result in the accumulation of NH4

+

(Cornwell and Owens 2011), SRP (Bray et al. 1973),
and conversion of iron oxide minerals into iron sulfide
minerals (Cornwell and Sampou 1995). The processing
of channel deposits between dredging and planting does
not convert these soils to the condition of their terres-
trial origins, but instead results in the accumulation of
sulfuric acid and ammonium.

At the time of wetland development after tidal expo-
sure, fine-grained dredged materials at Poplar Island are
nutrient-rich, have pH that are well-suited to plant suc-
cess, and anaerobic microbial processes that are domi-
nated by iron reduction. These conditions favor the suc-
cessful growth of wetland plants and result in luxuriant
growth of Spartina alterniflora and Spartina patens
(Staver et al. In review).

The conversion of aquatic sediments to wetland soils
is strongly affected by the character of the dredged

Fig. 10 Box plots of pore water
constituents at the time of
planting, showing concentrations
of NH4

+ (a), SRP (b), Fe (c) and
the SO4

2− to Cl− molar ratio (d)

1684 Wetlands (2020) 40:1673–1686



sediment, the processing of these materials during trans-
port and placement, and the environmental setting into
which they are placed. Consequently, assessment of
wetland development using dredged materials will al-
ways have to consider site-specific characteristics; while
generalizations from other sites may provide a useful
guide, they may be of limited value until the numbers
of relevant studies is sufficient for a broader generaliza-
tion. In the case of Poplar Island, the examination of
multiple discrete wetland planting cells allowed a gen-
eralization of soil transformation processes valid for
using sediment dredged in the upper Chesapeake Bay
for wetland restoration. These results are best used as
a guide to potential transformation processes and ap-
proaches to assessment, with different results likely un-
der different conditions of sediment and soil physical
character, salinity, and nutrient concentrations.
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