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Abstract
Wetlands can be significant sinks for Nr, via denitrification. There is a lack of understanding about factors controlling denitri-
fication. Research suggests that hydrology, geomorphology, and nitrogen loading are dominant controls. We compared site-scale
characteristics with denitrification enzyme activity (DEA) in wetlands along gradients of drainage basin land use to explore the
relative importance of landscape and site-scale factors for determining denitrification potential. DEA rates ranged between 0.01–
1.69 (μg N gdw−1 h−1), with most sites falling at the lower end. Sites with higher DEA rates had higher percentages of soil carbon
and nitrogen, concentrations of soil extractable NO3 and percent loss on ignition. Sites with upstream agricultural activity had
higher DEA rates than more natural sites, but there existed a wide range of DEA rates along both agricultural and urban land
gradients. When multiple site and landscape-scale explanatory factors were compared to DEA rates, two site and one landscape
scale characteristic (Soil NO3, Soil Percent N, and Percent Agriculture) had significant (p < 0.001, cum. r2 = 0.77) correlations
with DEA rates. Our results suggest that DEA is controlled mainly by local-scale site characteristics with more work needed to
determine the interdependencies and relative importance among these and potentially related landscape-scale factors.
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Introduction

Urban land use extent in the Tampa Bay region of Florida,
USA was projected to double between 1992 and 2025 (Xian
and Crane 2005) and population has grown at close to 2% a
year since 1990. The region around Tampa Bay housed a

population of 2.9 million in 2010 and the regional transporta-
tion authority forecasts a 2040 population of 4.2 million due to
the continuation of a 1.4% annual growth rate (http://www.
tbrta.com/ accessed 10/1/2016). This presents the regional
authorities with a challenge to balance urban growth with
the provision of valuable ecosystem services that contribute
to humanwell-being. Rapid urban growth is the main driver of
stressors on ecosystem services for the Tampa Bay region
wherein the effects of increased reactive nitrogen (Nr)
loading due to an increasing human population have been
given prominent attention (Greening and Janicki 2006).
Increasing nitrogen loads and subsequent eutrophication of
estuarine systems can lead to alterations in food-web structure,
degraded habitats, detrimental dissolved oxygen levels, and
changes in water quality (Howarth 2008). Tampa Bay sup-
ports commercial and recreational fishing, as well as other
recreational activities wholly or partially dependent on water
of sufficient quality for designated uses. Over the last few
decades, improvements in waste water treatment have resulted
in some recovery of water quality and seagrass coverage in the
Tampa Bay estuary (Greening et al. 2011; Sherwood et al.
2015). These gains, however, could be lost if nitrogen removal
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processes in the Tampa Bay region decline, while nitrogen
loading increases. The significance of this potential decline
is dependent on the magnitude of further losses to freshwater
and marine wetlands as well as how effective these ecosys-
tems are in removing nitrogen.

Non-point sources account for the majority of nitrogen
loads from the Tampa Bay watershed and will present a par-
ticular challenge to managing its effects in the bay.
Atmospheric deposition is considered the dominant source
of nitrogen (46%) delivered to the coastal areas of the
Tampa Bay watershed, according to a recent SPARROW
(SPAtially-References Regression On Watershed attributes)
modeling paper (Hoos and McMahon 2009) and more recent
CMAQ (Community Multi-scale Air Quality) model output
which estimates the direct and indirect delivery from atmo-
spheric nitrogen at 71% of the total nitrogen loads reaching the
estuary (Poor et al. 2013). Atmospheric nitrogen contributions
will likely become more significant in the future because of
increased emissions of combustion exhausts often associated
with expanding transportation needs resulting from the spread
of urbanization, although increasing motor vehicle efficien-
cies may offset this. Urbanization may also necessitate the
formation of large tracts of impermeable surfaces, which will
reduce the landscape’s ability to attenuate nitrogen, and may
lead to increased delivery of nitrogen to stream channels and
Tampa Bay (Xian et al. 2007; Brush 2009).

Land coverage in the Tampa Bay region includes urban
areas, row crop agricultural lands, range lands, upland forests,
and wetlands. It is the latter land cover type that has a prom-
inent role in the removal of excess Nr from non-point source
surfaces and groundwater flows before freshwater enters the
estuary. Because of frequent anoxic conditions, high concen-
trations of labile carbon, and the presence of facultative mi-
crobes and available nitrogen sources, wetlands can be a sig-
nificant sink for Nr, with denitrification a major pathway for
transformations that result in the release of N2 (Reddy and
DeLaune 2008) and N2O (an important greenhouse gas;
Anderson et al. 2010). In a meta-analysis, Jordan et al.
(2011) reported approximately 20% of the Nr load reaching
wetlands in the contiguous U.S. was removed through plant
uptake, denitrification, absorption, burial, and anaerobic am-
monium oxidation. Wetland type (e.g., palustrine forested,
palustrine emergent marsh) affects nitrogen removal determi-
nants such as carbon quality andmicrobial composition (Boon
and Sorrell 1991). Ullah and Faulkner (2006) found nitrate
amended and control palustrine forested wetlands had
significantly higher potential denitrification rates than
palustrine herbaceous submergent/emergent systems, while
conversely Dodla et al. (2008) reported significantly higher
potential denitrification rates in non-amended freshwater
palustrine marsh systems than palustrine forested wetlands
or saline (i.e., estuarine) marshes, suggesting that finer wet-
land classification (e.g., Comer et al. 2005) may be necessary

to better estimate denitrification rates at landscape scales.
Similarly, wetland spatial location vis-à-vis sources of
nitrogen-laden overland flow or groundwater and/or atmo-
spheric deposition affects the availability of Nr for denitrifica-
tion or immobilization (Rheinhardt and Brinson 2002; Ullah
and Faulkner 2006; Jordan et al. 2007; Racchetti et al. 2011).

There is a lack of full quantitative understanding of factors
controlling denitrification across different scales and land-
scape types (McClain et al. 2003; Groffman et al. 2009).
Many studies of denitrification are not suitable for scaling
measurements up to ecosystems because laboratory measure-
ments, at scales of centimeters or less, are not able to capture
the range of in-situ ecosystem conditions (Davidson and
Seitzinger 2006). There is much still to be learned about the
controlling factors of denitrification from comparisons of
measurements across multiple ecosystems and scales, but a
review of existing research suggests that interactions among
hydrology, geomorphology, and nitrogen loading are the
dominant controls of denitrification rates (Seitzinger
et al. 2006). These controls act at scales of a few mil-
limeters up to the landscape scale (McClain et al. 2003).
Which control, and thus what scale, is more important
for controlling denitrification in specific wetland sys-
tems is difficult to establish or predict.

The water quality improvement functions in wetlands, spe-
cifically Nr removal, were identified as important resource
management knowledge gaps based on a combination of
stakeholder engagement examining what the Tampa Bay re-
gional community value and a review of existing information
(Russell et al. 2011). We compared regional landcover types
to local, site-scale characteristics with regard to changes in
denitrification potentials in a set of wetlands. Sites were
grouped by wetland type but selected along a range of land
use in their local drainage basin in order to explore the relative
importance of landscape and site scale factors for determining
removal rates. We hypothesized that at the landscape scale,
freshwater wetlands, and within that group those wetlands
receiving drainage from agricultural areas, would have gener-
ally higher denitrification potentials. We also expected to find
higher denitrification rates in freshwater wetlands experienc-
ing generally wetter soil conditions and higher available nu-
trient concentration regimes. Our results will help inform
management decisions by providing a preliminary as-
sessment of the capacity of wetlands to remove non-
point source nitrogen loads based on watershed land
cover type and by determining what scale of factors
are more influential on that capacity.

Methods

Twenty-sevenwetland sites were identified in the southeastern
section of the Tampa Bay drainage basin which includes a mix
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of urban, agricultural, and natural lands (Fig. 1 and
Online Resources 1). To include the wide range of possible
landscape and site-scale attributes, wetlands were selected to
be representative of a wide range of conditions based on a
combination of wetland habitat type and drainage basin land
cover. Wetland habitat classes in the Florida Department of
Transportation’s Florida Land Use/Land Cover Classification
System (FLUCCS) GIS data layer for 2006 (http://www.
swfwmd.state.fl.us/data/gis/layer_library/) were grouped into
one of three wetland categories adapted from the Cowardin
et al . (1979) classif icat ion system (Table 1 and
Online Resource 2): Palustrine Emergent Marsh (primarily
freshwater marsh or wet prairie, and identified as BPEM^);
Palustrine Forested wetland (primarily wetland hardwood for-
est, cypress, or river/lake swamp, and identified as BPFO^);
and Estuarine Shrub-Scrub (primarily mangroves, and identi-
fied as BESS^). Also, the FLUCCS GIS data layer for 2006
was summarized within the National Hydrography Dataset
(NHD) drainage basins (http://nhd.usgs.gov/) associated
with each wetland to estimate the amount of agriculture (e.g.
, row crops, citrus groves, tree nurseries), urban (e.g., high,

medium and low density residential; commercial and
industrial; transportation, communication, and utilities), or
natural (e.g., open land, rangeland, upland forests) land
draining to each wetland site. For ease of reference, site
names reflect sites with higher relative percentages of
agricultural (A), urban (U) or natural (N) land types in their
drainage basins. Land cover percentages in PEM and PFO site
watersheds were refined using high-resolution LiDAR eleva-
tion data (details in Sherwood and Greening 2014) to more
accurately delineate the part of the watersheds directly up-
stream of the freshwater wetland sites. The intertidal man-
grove dominated wetland watershed have hard to identify el-
evation changes due to the low elevation near the coast. These
mangrove wetland upstream drainage basins were identified
using the NHD+ V2 drainage network (http://www.horizon-
systems.com/nhdplus/NHDPlusV2_home.php) and so may
contain a small amount of downstream, mostly natural land
cover in their results.

Triplicate soil sample cores (4.5 cm diameter taken to
10 cm depth) were randomly extracted at each wetland site
in August 2010, and again in May and October of 2011.

Fig. 1 Wetland sampling sites to the east of Tampa Bay, Florida (Insets)
USA. ESS, PEM, and PFO sites are donated by triangles, circles, and
squares respectively. Letters (A, U, and N) denote relatively higher

percentages of agricultural, urban, or natural in upstream site drainage
basins (See Online Resource 1 for detailed maps of each site)
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Denitrification potentials were estimated under non-limiting
conditions using a denitrification enzyme activity (DEA) as-
say. Denitrification enzyme activity assay incubations of the
homogenized soil cores mixed with deionized water were
completed using the acetylene block technique developed by
Smith and Tiedje (1979), as modified by Groffman et al.
(1999) with an excess of nitrate and an inhibitor of enzyme
synthesis added to produce denitrification potential measure-
ments. The DEA solution, in the reaction vessel, contained,
1.4 mg KNO3, 1.0 mg glucose and 0.05 mg chloramphenicol
per gramwet weight of soil. This short-term anaerobic assay is
based on the ability of acetylene to block the reduction of
nitrous oxide (N2O) to nitrogen gas (N2) and gives an estimate
of denitrification potential under amended, non-limiting con-
ditions. Denitrification potential rates were averaged across
the three sampling dates which span the warmer months of
the growing season. Denitrification enzyme activity rates were
deemed acceptable if a steadily increasing N2O concentration
was observed through time during incubations. The DEA rates
were estimated using the linear portion of the curve. Soil sam-
ples were analyzed for physical and chemical parameters
using standard methods (following Lane et al. 2015) includ-
ing: soil moisture (dry weight (g)), nitrate (NO3) (mg/kg),
ammonia (NH4) (mg/kg), %N, %C, C:N, total phosphorus
(soil TP, mg/kg), pH, and conductivity (μS/cm).

Porewater was collected from each wetland site to better
resolve the microbial environment. A porewater sample was
collected at each site from a depth of 30 cm and within 1 meter
of core samples using a sipper tube apparatus (McKee et al.
1988). Within each site, one unfiltered porewater aliquot was
collected for in-situ measurements of pH, salinity, and tem-
perature. The second unfiltered aliquot was collected for mea-
surements of total nitrogen (TN) and total phosphorus (TP).
The third aliquot was filtered (0.45 μm membrane) and ana-
lyzed for dissolved nutrients (ortho-phosphate, NO3, NH4).
The water samples were shipped overnight, along with the
soils, on ice to the laboratory for analyses that included: total
(TOC, mg L−1) and dissolved organic carbon (DOC in mg
L−1), color (PTU), pH, alkalinity (mg L−1CaCO3), TP
(μg L−1), TN (μg L−1), orthophosphate (μg L−1), NH4

(μg L−1), NOx (μg L−1), and dissolved inorganic nitrogen
(DIN, μg L−1). TOC and DOC were preserved with H2PO4

and measured by UV-sodium persulfate oxidation and

nondispersive infrared (NDIR) detection with the Dohrmann
Phenix 8000 TOC analyzer (5310-C; APHA 1998). Color was
measured with a Perkin Elmer UV–vis Model 20S spectrom-
eter (Perkin Elmer, Waltham, MA, USA) and alkalinity fol-
lowing EPA Method 130.2 (USEPA 1979). Unfiltered and
filtered (0.45μmporemembrane) samples for N and P species
were preserved frozen. Nutrient samples were analyzed using
a Lachat flow-injection analyzer 8000 with QuickChem
methods (Lachat Instruments, Loveland, CO, USA). The un-
filtered subsamples were digested using the persulfate method
for TN and TP (APHA 1998). Concentration of TP was de-
termined by the molybdate-ascorbic acid method (10–115–
01-1 B). TN and dissolved NOx were analyzed using the cad-
mium reduction method (10–107-04-1O), and NH4 was ana-
lyzed with the phenolate method (10–107–06-1-F).

Overall differences in site characteristics among types of
wetland were explored using ANOVA. Then, the relationship
between individual soil and pore water site characteristics and
DEA rates across wetland types and land cover gradients were
explored using simple linear regressions in R (Core Team
2013) to determine if site scale factors and DEA rates varied
consistently among wetland types and along gradients of up-
stream land use.

The range in DEA rates for each type of wetland (e.g.,
PEM, PFO, and ESS) were summarized for future use by
resource managers. Soil DEA rates were then regressed
against drainage basin land cover characteristics, soil charac-
teristics, and pore water quality using step-wise multiple linear
regression analysis in R to determine if landscape-scale or
site-scale factors explained more of the variability in DEA
across individual sites regardless of wetland type.

Results

Soil characteristics were not significantly different (ANOVA
p > 0.1) among palustrine emergent marsh (PEM), palustrine
forested (PFO) and estuarine shrub-scrub wetlands (ESS), al-
though ESS wetlands generally had more soil water content
(p = 0.09). Likewise, there was no significant difference
among mean DEA rates in PEM (mean ± SE, 0.24 ±
0.07 μg N gdw−1 h−1), PFO (mean ± SE 0.26 ± 0.10 μg N
gdw−1 h−1), and ESS (mean ± SE 0.10 ± 0.01 μg N
gdw−1 h−1) sites. Most PEM and PFO sites had DEA rates
less than 0.5 μg N gdw−1 h−1 with only four sites, two with
the highest percentages of agricultural (PEMA02 = 80.6% and
PFOA04 = 77.8%) and two with relatively large percentages
of urban (PEMU03 = 37% and PFOU08 = 62%) land in their
upstream drainage basin, having higher rates (Table 2). ESS
sites had DEA rates similar to the majority lower DEA rates at
PEM and PFO sites. Site results, thus, tended to cluster into
two groups based on observed DEA rates above or below
0.5 μg N gdw−1 h−1.

Table 1 Range in percentage of urban, agricultural, and natural land use
within the sub-watersheds draining to each wetland type (See
Online Resource 2 for details)

Site Type Urban Agriculture Natural

ESS 0–66.5 0–50.8 22.2–93.8

PEM 0–69 0–93 4–86

PFO 0–77.1 0–77.8 20.8–70.1

130 Wetlands (2019) 39:127–137



Higher mean DEAs (>0.5 μg N gdw−1 h−1) tend to occur in
wetland soils with higher soil extractable NO3 (>4 mg kg
dw−1) (linear regression p < 0.001 r2 = 0.58), higher percent
organics (LOI > 40%) (linear regression p < 0.001 r2 = 0.38),
and in wetland soils with lower percent natural lands in their
drainage basin (%Nat < 40%) but this last factor was statisti-
cally uncorrelated at the 95% confidence level (linear regres-
sion p < 0.1 r2 = 0.11) (Fig. 2). Percent soil carbon and nitro-
gen covaried with LOI (r2 = 0.82 and 0.66 respectively).
Porewater concentrations did not correlate with DEA rates.

After running stepwise multiple linear regression two soil
and one drainage basin characteristics (Soil extractable NO3,
Soil Percent N, and Percent Agriculture) were identified as
having significant (p < 0.001, r2 = 0.77) correlations with
mean DEA rates (μg N gdw−1 h−1) (Table 3).

To facilitate comparisons with other studies’ DEA mea-
surements at wetland sites in similar landscapes, we converted
our volumetric rates (μg N gdw−1 h−1) into areal rates
(g N m−2 d−1) by using soil bulk densities and assuming the

top 10 cm of soil is the active zone for denitrification (Lane
et al. 2015), although Lane notes that others have used 30 cm
or deeper. After running stepwise multiple regression with
these areal rates, three soil characteristics (Soil extractable
NO3, Soil Percent N, and Loss on Ignition) were identified
as having significant (p < 0.001, r2 = 0.74) correlations with
average site DEA areal rates (g N m−2 d−1) (Table 4).

Discussion

Potential denitrification rates varied among wetland sites, but
fell within expected ranges. Our measurements range between
0.01 g N m−2 d−1 at a palustrine forested site (PFONO2)
surrounded by and receiving drainage from a mostly natural
(70.1%) upstream area and 1.69 g N m−2 d−1 at a marsh site
(PEMU03) which receives drainage directly from an urban
area and golf course, remains continuously wet due to a weir,
and had one of the highest soil bulk densities. Similar patterns

Table 2 Soil characteristics and
DEA rates at each wetland site
(LOI = Loss on ignition, BD=
Bulk Density)

Site Carbon
(%)

Nitrogen
(%)

NH3 mg
kgdw−1

NO3 mg
kgdw−1

LOI
(%)

Pore
H2O
(%)

BD
gdw
cm−3

DEA ± SE
(μg N
gdw−1 h−1)

ESSA02 22.42 1.14 3.24 4.28 50.48 81.84 1.36 0.12 ± 0.06

ESSA03 14.19 1.31 10.06 2.49 42.72 81.72 0.20 0.09 ± 0.01

ESSA05 24.06 1.34 4.93 5.03 55.89 82.26 0.26 0.06 ± 0.02

ESSN03 19.72 1.15 6.03 3.63 52.78 83.83 0.80 0.09 ± 0.03

ESSN07 12.70 1.43 2.81 3.80 28.44 69.81 0.20 0.07 ± 0.02

ESSN08 10.09 0.99 11.72 2.04 30.94 76.90 0.77 0.09 ± 0.02

ESSU01 6.96 0.89 6.82 2.06 18.18 66.27 1.36 0.08 ± 0.01

ESSU02 4.53 0.30 3.76 2.64 15.59 61.21 0.09 0.08 ± 0.02

ESSU05 22.00 2.28 4.58 3.16 48.31 82.93 0.17 0.17 ± 0.06

PEMA01 2.07 0.31 3.70 0.62 6.15 25.52 0.19 0.04 ± 0.02

PEMA02 25.86 3.81 16.36 9.26 45.85 72.91 0.67 0.78 ± 0.29

PEMA07 19.88 2.83 20.37 4.04 39.83 74.26 0.95 0.12 ± 0.08

PEMN02 6.47 1.01 1.50 3.36 12.50 32.52 0.22 0.06 ± 0.03

PEMN03 36.10 2.94 32.09 1.83 60.55 53.65 0.36 0.11 ± 0.07

PEMN04 10.83 1.41 2.83 1.19 17.79 41.89 0.53 0.10 ± 0.04

PEMU02 1.77 0.26 1.91 1.41 4.04 16.14 0.42 0.04 ± 0.01

PEMU03 35.00 6.12 37.55 8.21 63.87 91.67 1.05 0.67 ± 0.21

PEMU04 24.11 4.02 32.07 2.18 90.70 83.63 0.20 0.28 ± 0.17

PFOA04 37.31 3.99 27.96 6.12 80.15 81.62 0.17 1.07 ± 0.55

PFOA08 9.38 1.01 5.78 1.29 25.46 51.85 0.22 0.08 ± 0.06

PFOA10 2.32 0.23 3.48 2.30 14.56 11.72 0.16 0.02 ± 0.01

PFON02 25.29 1.96 4.35 1.73 47.85 63.02 0.18 0.02 ± 0.01

PFON05 28.35 2.33 9.64 1.49 53.96 65.13 0.37 0.17 ± 0.08

PFON06 4.53 0.43 1.27 0.68 9.52 31.69 0.25 0.02 ± 0.01

PFOU01 32.39 2.78 50.30 1.54 46.62 70.29 0.27 0.07 ± 0.05

PFOU07 9.44 1.00 5.99 1.46 14.60 41.17 0.28 0.06 ± 0.02

PFOU08 44.77 6.67 20.42 4.51 86.97 74.71 0.14 0.63 ± 0.45
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were seen by Gale et al. (1993), who reported a denitrification
rate for natural wetlands as 0.070 g N m−2 d−1 while for con-
structed wetlands receiving wastewater runoff, it was
0.917 g N m−2 d−1. The average of our palustrine wetlands
(0.26 g N m−2 d−1) compares well to the average DEA rate of
0.365 g N m−2 d−1 (Lane et al. 2015) measured in geograph-
ically isolated wetlands located in the similar geographic area
as our study. Our measurements also compare well to DEA
rates of 0.526 g N m−2 d−1 measured in riparian forest wet-
lands (Pinay et al. 1993), but our measurements fall on the low
side of other palustrine wetlands (Lindau et al. 1991; Hanson
et al. 1994; Seitzinger 1994).

Our DEA measurements in mangroves (ESS sites) aver-
aged 0.09 μg N gdw−1 h−1. This converts to a relatively high
average DEA rate of 0.13 g N m−2 d−1 in mangrove wetlands,

but the measurements are bi-modal with four of the nine ESS
sites having DEA > 0.1 g N m−2 d−1 and the rest having DEA
< 0.06 g N m−2 d−1. These groupings within ESS sites are
consistent with and strongly influenced by differences in soil
bulk density with the calculations of higher areal rates corre-
sponding to areas with high bulk densities. Denitrification in
mangrove sediment is also constrained to the near surface
layers so our use of 10 cm depth in the conversion from vol-
umetric to areal rates may have resulted in an overestimation
of areal DEA rates (Chiu et al. 2004). An adjustment to a
conversion using a narrower active denitrification zone depth
(~5 cm or less) at our mangrove sites would bring our con-
verted to areal DEA rate results into range with other similar
systems (0.0004–0.05 g N m−2 d−1) (Nedwell et al. 1994;
Kristensen et al. 1998; Alongi et al. 2002; Lee and Joye

Fig. 2 Denitrification enzyme
activity compared to extractable
soil nitrate (NO3), percent loss on
ignition (LOI) and percent natural
land in the upstream drainage ba-
sin. Higher DEA rates indicated
by larger circles were expected
and found in the upper right-hand
quarter of this plot where high
percentages of agricultural and
urban development, likely high
NO3 loading rates, and high per-
centages of soil OM are present

Table 3 Stepwise multiple linear regression coefficients (DEA μg N
gdw−1 h−1)

Estimate Std. Error p value

(Intercept) −0.2171 0.0524 0.0004

Ag% 0.0029 0.0010 0.0095

Soil N% 0.0949 0.0197 0.0001

Soil NO3 0.0417 0.0158 0.0148

Residual standard error: 0.1272 on 23 degrees of freedom

Multiple R-squared: 0.7993

Adjusted R-squared: 0.7732

F-statistic: 30.54 on 3 and 23 DF

p value: 3.393e-08

Table 4 Stepwise multiple linear regression coefficients (DEA g Nm−2

d−1)

Estimate Std. Error p value

(Intercept) −0.1381 0.0822 0.1065

Soil N% 0.1274 0.0437 0.0078

Soil NO3 0.1257 0.0230 < 0.0001

Soil LOI% −0.0072 0.0027 0.0147

Residual standard error: 0.1984 on 23 degrees of freedom

Multiple R-squared: 0.7658

Adjusted R-squared: 0.7353

F-statistic: 25.08 on 3 and 23 DF

p value: 1.964e-07
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2006), but here we are more interested in the relative magni-
tudes among sites than in absolute magnitudes so we kept our
10 cm depth assumption to be consistent with our palustrine
sites.

Confirming our hypotheses, we observed DEA rates that
followed predicted patterns of higher DEA in wetlands receiv-
ing drainage from upstream agricultural or urban areas (Fig.
2). There is past evidence that wetland DEA rates tend to track
with anthropogenic nutrient additions to the watershed.
Seitzinger (1994) calculated that denitrification rates in cedar
swamp sediments increased from less than or equal to 2.46 to
7.37 to 22.71 g N m−2 d−1 for undisturbed wetlands, wetlands
with intermediate anthropogenic inputs, and wetlands with
significant anthropogenic inputs, respectively. The denitrifica-
tion rates in a freshwater forested wetland downstream from
an undeveloped forested area ranged from 0.48–1.63 g N m−2

d−1, while those downstream from a highly developed, resi-
dential development with septic systems ranged from 0.71–
3.85 g N m−2 d−1 (Hanson et al. 1994). Lindau et al. (1991)
measured a 67% increase in denitrification rate from 0.27 to
0.45 g N m−2 d−1 when experimentally increasing the nitrate
concentration from 100 to 300 kg N ha−1 to simulate nutrient
loading from anthropogenic sources. In a freshwater forested
and a marsh wetland, Dodla et al. (2008) artificially treated
sediment with increased concentrations of NO3 to simulate
anthropogenic input and found that DEA rates increased from
0.005 to 0.4425 and from 0.0075 to 0.4225 (g N m−2 d−1),
respectively. The wetlands we sampled generally had DEA
rates between 0.01 and 0.2 g N m−2 d−1, while a select group
of sites were an order of magnitude higher at around 1.0 g N
m−2 d−1. The wetlands in this study with higher DEA rates
tended to be adjacent to active agricultural row crops, dense
urban residential land use or golf courses with little natural
buffer between those activities and the wetland to remove
nutrients loads from runoff (See maps in Online Resource
1). Along with potentially higher nutrient loads, sites with
higher DEA rates also tended to have relatively wet soils com-
pared to others which would likely lead to anoxic subsurface
conditions necessary for denitrification (Ullah and Faulkner
2006). These results support our hypotheses that higher deni-
trification rates would be measured in freshwater wetlands
experiencing generally wetter soil conditions and higher avail-
able nutrient concentration regimes. Biochemical scale fac-
tors, such as soil moisture, have been shown to be as important
as the position of sites within the landscape for controlling
potential denitrification rates (Ullah and Faulkner 2006).

Not all sites with high percentages of agricultural or urban
land in their drainage basins had elevated DEA rates, suggest-
ing that local site characteristics may play a more influential
role than upstream drainage basin land use in this area. Local
conditions may influence current DEA rates while antecedent
conditions or upstream loading history may influence micro-
bial community structure and function including their ability

to process nitrogen inputs via denitrification. It could be that
chronic increases in nutrient loading from human activities,
such as fertilizer application to urban and agricultural lands in
our studied wetlands with relatively high DEA rates, may alter
the quality and delivery rates of organic matter inputs from
upstream plant production enough to affect wetland soil mi-
crobial community structure or function (Marschner et al.
2003; Chu et al. 2007), but estimates of chronic nutrient or
organic matter loading per watershed were not generated dur-
ing this study. Our results do, however, suggest that DEA is
controlled by a mix of site-specific characteristics and land-
scape scale upstream land use, but more work will be needed
to tease out the interdependencies among these factors.

Inter-site variability in DEA rates was large within our
wetlands (Table 2) resulting in no meaningful differences
among wetland types, although sites with relatively higher
percentages of agricultural and or urban land in their drainage
basins tended to have higher DEA rates than natural wetlands.
Some of this variability may stem from specific differences in
human use of the land within the broad watershed land use
categories, and assumed differences in nitrogen and organic
matter loads we defined here (e.g., agricultural, urban and
natural). Our wetlands had upstream agricultural activities that
ranged from areas of pasture to row crops. These type of
differences in upstream agricultural practices can influence
denitrification rates in wetlands (Xue et al. 1999; Poe et al.
2003; Tanner et al. 2005; Ullah and Faulkner 2006) and
streams (Inwood et al. 2005). Upstream urban areas of our
wetlands included deep incised drainage ditches adjacent to
residential single-family homes, overflow areas downstream
of created lakes bordered by houses, and retention ponds re-
ceiving runoff from upstream golf course communities.
Wetland denitrification rates respond to urban land use differ-
ences such as these (Gale et al. 1993; Mallin et al. 2002; Lewis
et al. 2002; Kohler et al. 2004). The variability in DEA rates
among sites within each land cover gradient could be reduced
by focusing future sampling efforts within more specific land
use conditions only identifiable during site visits. Additional
intra-site sampling may also better control for the large intra-
site variability found during this work leading to better sepa-
ration of factors responsible for inter-site variability.

Intra-site variability reduced our ability to separate average
DEA rates along gradients of explanatory variables.
Microtopographic related differences in water content, organ-
ic matter content, and nutrient availability can increase DEA
variability over short spatial scales (Bruland et al. 2006). In a
waste water treatment wetland, Kjellin et al. (2007) found that
intra-site variability in soil nitrogen and water residence times
explained differences in DEA rates. Spatial variability in DEA
rates and autocorrelation with wetland soil characteristics is
influenced by the scale of analyses and wetland development
history which make extrapolations from our point measure-
ments to field scales unjustifiable (Orr et al. 2014). Temporal
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changes in environmental conditions may also have increased
our within site variability (Wigand et al. 2004). Intra-site var-
iability made comparisons of DEA rates to explanatory vari-
ables less clear due to lack of sampling power and/or the
course characterization of upstream landscapes into one of just
three categories.

Several soil attributes trended with elevated or low DEA
rates. Consistent with other studies, our high DEA rates were
found in soils with high organic matter content (Seitzinger
1994; White and Reddy 1999; Lin et al. 2007; Lane et al.
2015), high percentages of carbon and nitrogen (Gale et al.
1993; Lin et al. 2007; Lu et al. 2009), and soil extractable
nitrate (White and Reddy 1999; Dodla et al. 2008; Lane
et al. 2015). Dodla et al. (2008) measured increased potential
denitrification rates two to six times higher as soil extractable
nitrate concentrations increased from 2 to 10 mg NO3-N l−1

and identified a positive correlation between organic carbon
and potential denitrification rates. Soil attributes serve as a
good indicator for estimating whether a wetland will have
generally high or low DEA rates and may provide useful in-
formation for future research site selection. Soil attribute or
condition assessments might also help managers select sites
with higher potential functional rates for wetland creation or
restoration to mitigate increased nutrient loading downstream
of urban and agricultural lands. Changes in soil attributes
could also serve as an indicator of changes in potential eco-
system denitrification function at restored sites.

Porewater nitrate concentrations did not correlate with
DEA rates and as such may not be the best indicator of the
biological community’s capacity to remove nitrogen since re-
duced concentrationsmay be found in both lowDEAwetlands
and highDEAwetlands. Low porewater nitrate concentrations
could be indicative of an area receiving little nitrate loading or
an area receiving larger loads but with a microbial community
acclimated to this nitrate regime that is processing the more
available porewater nitrate as fast as it is loaded (Jordan et al.
2007; Ligi et al. 2014). Nutrient loading data would have
allowed us to replace the spot measurement of pore water
nitrate with an explanatory variable more independent of the
response variable. Microbial communities may not be able to
react to rapidly changing porewater nitrate concentrations, but
their potential denitrification capacity should relate to gener-
ally higher or lower chronic nitrogen loads that might be
reflected by soil attributes.

Soil attributes are not as dynamic as porewater nutrient
concentrations and so might serve as predictive indicators of
the status of the soil microbial community and general levels
of nutrient availability for denitrification (Enwall et al. 2005;
Dodla et al. 2008). Previous studies have shown potential
denitrification to be positively correlated with soil nitrate
and organic carbon (Robertson et al. 1988; Davidsson and
Leonardson 1997; Ullah et al. 2005; Lin et al. 2007).
Several soil characteristics and one landscape factor correlated

positively with DEA rates in our wetlands (Step-wise multiple
regression p < 0.01). Soil extractable nitrate, percent nitrogen,
and percent agricultural land in upstream basin combined to
explain a majority (r2 = 0.77) of the variability in average
DEA rates among sites. Percent nitrogen was strongly corre-
lated with percent organic matter and percent carbon and ei-
ther of these might serve as substitutes in the regression mod-
el. Also, percent agricultural land has a strong negative rela-
tionship with percent natural land in the study area so one
should be careful to not interpret model results as causality.
The bi-modal grouping of results left our model lacking data
for wetlands with mid-range soil nitrate and organic matter
content. Our a-priori selection of wetland sites along gradients
of agricultural, urban, and natural land using GIS data and our
need to find upstream drainage basins with clearly dominant
land types to increase our resulting model’s range of applica-
bility limited our ability to find similar wetland conditions
within each group. It is clear from our results that sites even
with similar percentages of our broadly categorized land uses
can behave functionally differently from each other, and this is
probably a result of nuances in sites’ upstream land use, local
differences in soil attributes, as well as topographic and hy-
drologic differences.

Near surface water inundation of the soil fosters the setup
of an anaerobic layer that should be conducive to denitrifica-
tion, and past inundation history does affect the magnitude of
nitrate removal via denitrification (Venterink et al. 2002). The
wetlands with the highest DEA rates in this study tended to be
relatively wet with near surface or standing water regularly
present. Mangrove systems were the exception to this, being
regularly flooded by the tide but having lower DEA rates
common in these marine influenced systems (Rivera-
Monroy and Twilley 1996; Corredor et al. 1999). It is still
unclear, however, how the dynamics of wetland inundation
affect microbial community size or structure (Ishida et al.
2006; Mentzer et al. 2006). Regular pulsing of soil water
depth may increase the volume of soil where denitrifiers are
in close proximity to nitrifiers, thereby allowing the microbial
community responsible for denitrification to expand their
presence within the soil column (Tanner et al. 1999). A larger
community of denitrifiers, when given the non-limiting con-
ditions of the DEA incubations, may have higher potential
denitrification rates than a community restricted to a narrow
band of soil.

It remains challenging to determine the ultimate drivers of
denitrification capable microbial communities at different
scales (Enwall et al. 2010; Bru et al. 2011) and further work
will be needed before we can make confident recommenda-
tions to managers on how to consider the different scale fac-
tors controlling the important wetland function of denitrifica-
tion in managed lands. Denitrifying communities have been
shown to respond to combinations of inherent and manage-
able soil properties at the field scale (Enwall et al. 2010).
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While there seems to be a general consensus that local scale
soil characteristics influence denitrification rates in wetlands it
is unclear if changing upstream landscapes and resulting or-
ganic matter and nutrient loads cause chronic shifts in
denitrifying community structure as wetland conditions
change or if the microbial community can adjust their func-
tional response without a change in microbial community
structure (Balser et al. 2006). Microbial process rates related
to nitrogen transformation may be more related to microbial
community structure than environmental conditions (Balser
and Firestone 2005). Adaptation of the microbial community
to a wider temporal range of environmental conditions may
allow existing community structures to better adjust their de-
nitrification related functions to levels appropriate for a given
landscape, while a microbial community adapted to a consis-
tently narrow range of environmental conditions would re-
quiremore long-term community structure changes to respond
to acute changes or pulses in nitrogen availability.

Our results confirm that while local scale soil conditions,
such as soil extractable nitrate, percent soil nitrogen, and pos-
sibly soil water content, may be dominant indicators for esti-
mating denitrification potential in freshwater wetlands, land-
scape scale characteristics, such as the relative percentage of
agricultural land use in upstream areas, also contribute some
additional explanatory power for estimating denitrification po-
tentials and may be the ultimate driver of soil characteristics
and microbial community structure. Correlation-based ap-
proaches to predicting denitrification potentials can only take
you so far, however. A better understanding of how microbial
biogeochemistry is affected by local environmental factors
and microbial community structure (e.g., elucidated using ge-
nomics etc.) might lead to improved mechanistically based
models that link wetland and upstream land use characteristics
to spatial and temporal variation in net nitrogen processing
rates. Recent advances in environmental genomics should
help inform this topic by providing a new set of tools to an-
swer unresolved research questions about microbial structure
and function (Wallenstein et al. 2006; Nocker et al. 2007).
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