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Abstract The success of restoration in attaining wildlife con-
servation goals can be strongly dependent on both site-scale
and landscape-scale habitat characteristics, particularly for
species with complex life cycles. Wetland management activ-
ities typically target plant communities, and bottom-up re-
sponses in higher trophic levels may be dependent on spatially
explicit habitat use. We surveyed plant and amphibian assem-
blages at 26 sites enrolled in the Wetlands Reserve Program
(WRP) in the Willamette Valley, Oregon to determine the
relative influence of plant management, non-native species,
and surrounding landscape on amphibian counts across mul-
tiple life history stages. Explanatory variables negatively as-
sociated with native anuran counts included percent invasive
plant cover, non-native fish presence, invasive bullfrog
counts, and area of urban land cover. In addition, native
anurans were positively associated with WRP site age, sug-
gesting that the benefits of restored wetlands may increase
over time. This study emphasized the importance of adaptive
approaches to maintaining diverse communities in restored
habitats by considering impacts of synergistic stressors in a
multi-invader context. Although invasive plant management
provided indirect benefits to native amphibians, the most
effective way to enhance native amphibian populations may
be through eliminating the strong top-down forces exerted by
non-native vertebrates.
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Introduction

Wetland habitats in the United States have incurred significant
losses in total area through agricultural and urban develop-
ment, as well as hydrological modifications (Dahl 1990).
Consequently, a disproportionately high number of obligate
wetland species are listed as threatened or endangered (46 %;
Boylan and MacLean 1997 in Whigham 1999), contributing
to simplified community structure and compromised ecosys-
tem function (Gibbs 2001). A renewed appreciation of the
ecological benefits provided by wetlands has prompted feder-
al and state administrative policies to direct funding toward
wetland creation, preservation, and restoration programs
(Vottler and Muir 1996; Dahl 2006). The Wetlands Reserve
Program (WRP), administered through the United States
Department of Agriculture’s Natural Resource Conservation
Service (NRCS), is a voluntary project aimed at mitigating
wetland loss by providing technical and financial support to
landowners wishing to restore wetlands on agricultural land
(NRCS 2011). Over 1 million hectares of land are enrolled in
the WRP with the objective of enhancing wetland function
and restoring vitality of agricultural lands (NRCS 2012).

One goal of the WRP is to provide habitat for wetland-
dependent fauna (NRCS 2012). Restoration success in achiev-
ing wildlife conservation goals is typically evaluated using
hydrologic and vegetative criteria, with the assumption that
faunal establishment is linked to floral establishment
(Petranka et al. 2003; Gray and Teels 2006). The WRP prior-
itizes benefits for migratory birds (Gray and Teels 2006), and
considerable information is available about the program’s
contribution to waterfowl conservation (King et al. 2006).
However, relatively few studies have quantified the effects
of plant management on other wetland-associated vertebrates
(Petranka et al. 2003; King et al. 2006). Lentic-breeding
amphibian species are experiencing global declines and are
an excellent focal group in which to study the effects of
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wetland restoration. Amphibians are frequently cited as indi-
cators of environmental quality as they possess a unique life
history which exposes them to both aquatic and terrestrial
habitats (Blaustein and Kiesecker 2002; Waddle et al. 2012).

The ability of amphibians to successfully establish and
persist in restored wetlands is influenced by wetland-specific
(site-scale) and landscape-scale habitat variables. Within
breeding ponds, amphibians face abiotic stressors (e.g., wet-
land desiccation, chemical contaminants, habitat disturbance)
and biotic stressors (e.g., native and invasive competitors and
predators) (Blaustein and Kiesecker 2002). They are also
particularly sensitive to surrounding landscape composition
because of annual breeding migrations (Semlitsch 1998). Iso-
lated breeding ponds imbedded in fragmented landscapes can
become population sinks if dispersers experience high mortal-
ity (Rothermel 2004). Both local habitat quality and regional
land use are potentially strong predictors of long-term amphib-
ian diversity and abundance at restoredWRP sites. Further, the
relative importance of local and regional factors may depend
on ontogeny, with survival in the aquatic life stages (eggs and
larvae) regulated by within-pond processes and survival in the
terrestrial life stages (juveniles and adults) regulated by both
within-pond and surrounding landscape processes (Wilbur
1980; Sztatecsny et al. 2004; Van Buskirk 2005).

Invasive species can directly and indirectly impact amphib-
ian abundance and diversity at restored wetlands (Ricciardi
and MacIsaac 2011). Many studies have examined the effects
of a single invader on native amphibians, but it is exceedingly
challenging to disentangle community-level impacts (Preston
et al. 2012). The presence of multiple invaders occupying a
range of trophic levels can produce additive effects on native
communities when interactions between invaders are facilita-
tive (i.e., invasional meltdown; Simberloff and Von Holle
1999). Alternatively, the impact of invasive species on am-
phibians may be mediated by habitat characteristics such as
the physical structure of emergent vegetation (Kiesecker et al.
2001; Porej and Hetherington 2005). Invasive plants can
reduce the quality of amphibian breeding habitats (Brown
et al. 2006; Davis et al. 2012), but may also provide refuge
to diffuse antagonistic interactions (Hartel et al. 2007; Janssen
et al. 2007; Watling et al. 2011). Thus, management of inva-
sive plants can potentially have unintended negative impacts
on native amphibian communities. Further, habitat distur-
bance caused by restoration actions may initially enhance
invasion potential for exotic vertebrate competitors and pred-
ators of native amphibians (Shea and Chesson 2002). Harmful
invasive species that commonly co-occur in lentic, freshwater
WRP habitats in the western United States are reed
canarygrass (Phalaris arundinacea ), the American bullfrog
(Lithobates catesbeianus ), and non-native fish (bluegill
[Lepomis macrochirus ], largemouth bass [Micropterus
salmoides ], and western mosquitofish [Gambusia affinis ]).
These taxa are capable of reducing native amphibian

abundance and diversity by altering ecosystem function and/
or dynamics of biotic interactions, and their impacts may be
mediated directly or indirectly via habitat restoration.

Our study objective was to determine whether native am-
phibian diversity and abundance (counts) at WRP sites in the
Willamette Valley, OR could be predicted by invasive plant
management, the presence of non-native vertebrates (Ameri-
can bullfrogs and fish), and regional landscape quality. We
hypothesized that active management would extend positive
benefits to the plant community via reduced invasive cover
which in turn would translate to greater counts of native
amphibians and reduced counts of invasive bullfrogs. Howev-
er, we expected biotic interactions with non-native fish and
bullfrogs to be the strongest determinants of native amphibian
counts, with site-scale variables having a greater effect on the
response for premetamorphic stages (eggs and larvae) and
landscape-scale variables having a greater effect on the re-
sponse for postmetamorphic stages (juveniles and adults). To
address these hypotheses, we explored (1) whether active
management is effective at reducing invasive plant species
and increasing plant diversity, (2) whether invasive plant cover
predicts amphibian counts and diversity given other habitat
covariates, and (3) the relative importance of site-scale and
landscape-scale variables in predicting stage-specific amphib-
ian counts. These aims highlighted how current invasive plant
management strategies applied within the WRP contribute to
the program’s wildlife habitat restoration goals for amphibians
in the presence of complex trophic interactions.

Methods

Research was conducted in Oregon’sWillamette Valley where
approximately 43 % of upland habitat has been converted for
agriculture (Baker et al. 2004) and 57 % of emergent wetlands
have been lost within the last century (Morlan 2000). These
losses parallel the Oregon state listing of 24 % of wetland-
dependent amphibians as imperiled in conservation status
rank (Morlan 2000).

Survey Design

We selected 26 WRP sites located between Portland, OR (ca.
45° 28′ 56.81″; elevation 47mMSL) and Eugene, OR (ca. 44°
11′ 4.69″; elevation 100 m MSL) containing freshwater lentic
wetlands lacking permanent fluvial inputs based on (1) land-
owner permission to access site, (2) hydroperiod (both sea-
sonal and permanent wetlands likely to remain inundated until
the end of the study period in August), and (3) spatial inde-
pendence (Fig. 1). At sites where multiple wetlands were
present, a single water body was randomly selected. All study
sites were separated by a distance of at least 2.5 km to limit
potential for dispersal by individual amphibians between
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populations (Petranka et al. 2007). Sites ranged in age from 5
to 15 yrs (x =9.81±3.36 yrs) since enrollment in theWRP, and
wetlands retained in the study ranged in size from 0.08 ha to
14.7 ha (x =2.8±0.6 ha) prior to any natural or mechanical
drawdown. We categorized each wetland based on manage-
ment intensity as passively managed (N =8; received no man-
agement or only minimal intervention through hydraulic mod-
ifications) or actively managed (N =18; intensive manage-
ment activities were applied to >50 % of the wetland area at
least twice in the past 3 years) based on information from
landowners and NRCS restoration technicians (Kross et al.
2008; Evans-Peters et al. 2012). In addition to management
intensity (MGMT; passive or active), additional information
obtained through landowner and NRCS communications in-
cluded WRP age since enrollment (AGE; yrs) and wetland
hydroperiod (HYDRO; seasonal or permanent). Seasonal wet-
lands were typically dry by late summer, while permanent
wetlands never fully dried.

Each site was visited once within each of three sample
periods in 2011 (March–May, May–July, and July–August).
Amphibian count data were collected during each sampling
period, while data on plant species composition were collected
only during the May–July sampling period. During each site
visit, we recorded two site-scale physical habitat

characteristics: water temperature (WATEMP; °C at 10 cm
depth 1 m from waterline, averaged over three sampling
periods) and log-transformed wetland area (AREA; calculated
in MapSource and Google Earth version 6.2 from on-the-
ground waterline delineation using a Garmin GPS unit). We
also recorded information on non-native fish presence (FISH;
absent or present, verified via landowner/NRCS communica-
tions and minnow trapping during each sampling period).

We incorporated six landscape-scale coverage variables
using data layers developed by the USGS Gap Analysis
Program (USGS 2011) and The Wetlands Conservancy (TWC
2009) in a Geographic Information System (GIS; ESRI ArcMap
version 10.0). We created 1,000 m buffers (Lehtinen et al. 1999)
around the 26 wetland study sites and calculated area (m2) of
forest cover (FOR1000), urban land (URB1000), and wetlands
(WET1000) from converted polygons within the buffer.

Plant Community Sampling Plant surveys were conducted at
each site once during peak growing season (May 12–July 13,
2011). We demarcated 30 sampling points (1 m2 quadrats)
distributed evenly among ten transect belts (5 m long) spaced
at equal intervals around the entire wetland perimeter (modi-
fied from Mueller-Dombois and Ellenberg 1974). The three
sampling quadrats in each belt were located in three habitat
zones: shore (within 3 m upland of waterline), waterline, and
shallow water (<1 m water depth) zone. For each zone, we
estimated % cover of plants, bare ground, and open water to
the nearest 5 % (Baines et al. 1994). Plants were identified to
the lowest taxonomic group possible (usually species) and
assigned to the categories of invasive or native to Oregon in
order to produce a variable for mean site-level percent inva-
sive plant cover (INVCOV).

Amphibian Community Sampling Native and invasive am-
phibian species count data were estimated at each site during
the three sampling periods. Sampling periods were defined to
maximize detection of all life stages of amphibians between
the breeding and emergence periods. We conducted 30 min
time-restricted amphibian searches following standard breed-
ing pond visual encounter survey (VES) protocol along a
curvilinear wetland perimeter transect (Crump and Scott
1994; Olson et al. 1997). Starting from a random point, the
observer walked clockwise along the waterline and systemat-
ically searched within 1 m of either side of the path. The
observer spent an equal proportion of time searching the
waterline, the shallow water zone (1 m out from waterline),
and the shore zone (1 m upland from waterline) (Crump and
Scott 1994). Counts of amphibians by life-stagewere recorded
for all individuals encountered. VESs were supplemented
with D-frame dipnetting for species/life stages unobservable
from the surface (e.g., salamander larvae). Dipnet sweeps
were taken at 5 min intervals over the course of the VES
resulting in six dipnetting events for each sampling period.

Fig. 1 Locations of 26 Wetlands Reserve Program (WRP) wetlands
sampled for plants and amphibians in the Willamette Valley, Oregon
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Each sweep was standardized to cover a length of 1 m in the
shallow water zone (Crump and Scott 1994). Catch per dipnet
sweep was added to the visual encounter survey count data for
each site visit since dipnet sweeps yielded detections of spe-
cies and life stages that were not detected in VES.

Statistical Analysis

Plant Community Plant diversity was characterized using tax-
on richness (Whittaker 1972), Simpson’s diversity (Simpson
1949), and gamma diversity (Whittaker 1972). Simpson’s
diversity (D ) was the sum of the relative abundance (count)
of each taxon following:

D ¼
X

p2i

where pi equals the proportion of individuals of the i th taxon
for an open community. Gamma diversity described the num-
ber of unique taxa present at a study site compared to all study
sites combined (Magurran 2004).

We used linear models (R version 2.15.2; R Core Team
2012) to identify management and/or habitat variables that
significantly influenced plant diversity in the wetland basin
unit. Response variables for the analysis included plant taxon
richness (log-transformed), Simpson’s diversity (cube-
transformed), and mean percent (x %) invasive plant cover.
Our model set (for each response) contained all combinations
of explanatory variables of MGMT, AGE, and HYDROwith-
out interaction terms, as well as the null intercept-only model.
These three predictors were selected based on a priori hypoth-
eses about their roles in regulating the plant community
(Table 1). We ranked competing models in the set using
Akaike’s information criterion corrected for small sample
sizes (AICC ) in R packages bbmle and AICcmodavg
(Akaike 1973; Hurvich and Tsai 1989). Models with a
ΔAICC<2.0 from the top-rankedmodel were considered com-
petitive (Burnham and Anderson 2002). Model weights (wi)
represented the relative support for the model given the data,
and parameter estimates with confidence intervals were used
to determine the direction and strength of the effects.

Anuran Counts Amphibian count data were analyzed using
generalized linear models (GLMs) in R packages bbmle and
AICcmodavg for the three most common anuran species
encountered: Pacific chorus frog (Pseudacris regilla), north-
ern red-legged frog (Rana aurora ), and American bullfrog.
Species count data were recorded as the highest encounter
during any one sampling period for each life stage (egg,
larvae, juvenile, and adult) to limit the potential for multiple
counts of the same individual over the survey season (Denton
and Richter 2013). Since the biphasic, aquatic-terrestrial life
cycle of amphibians may expose them to different stressors
over ontogeny, we analyzed premetamorphic and
postmetamorphic counts separately.

Independent variables considered in GLMs were bullfrog
count (LICA; log-transformed and averaged over three sam-
pling periods), AGE, INVCOV, FISH, HYDRO, and
URB1000 (log-transformed). Pairwise combinations of these
predictor variables were assessed for multicollinearity, and
since Pearson coefficients were r <0.70 (Shulse et al. 2010),
all predictors were retained in the initial pool of variables. For
each anuran response variable, we developed a set of 16
empirical candidate models based on a priori hypotheses of
important ecological interactions informed through a literature
review (Table 2, Online Resource 1). These candidate models
were limited to fewer than two predictors to prevent
overfitting. Residuals indicated overdispersion (Hoef and
Boveng 2007), thus GLMs were fit using a negative binomial
error distribution with log link function:

log φð Þ ¼ β0 þ β1x1

Candidate models were compared using QAICC values,
model weights (wi), and maximum log-likelihood ratio statis-
tics (LL) (Johnson and Omland 2004). Since the overdispersion
coefficient (bc ) was greater than 1, we ranked models with
QAICC (as opposed to AICC) following:

QAICc ¼
−2ln Lð Þ

bc
þ 2k þ 2k k þ 1ð Þ

n−k−1

where L is the maximum likelihood estimate for the model
and k is the number of fitted parameters (Symonds and

Table 1 Variables selected for inclusion in multiple regression models predicting plant taxon richness, Simpson’s plant diversity, and % invasive plant
cover (with direction of predicted effect), based on a priori hypotheses informed by literature sources

Parameter Identifier Source Predicted effect on response

WRP management regime;
active or passive

MGMT Evans-Peters et al. 2012 Active: plant richness (+), Simpson’s plant diversity (+),
% invasive plant cover (−)

WRP site age AGE Rejmánek 2000; Larson et al. 2001 Plant richness (+), Simpson’s plant diversity (+),
% invasive plant cover (−)

Wetland hydroperiod; seasonal
or permanent

HYDRO Miller and Zedler 2003; Boers et al.
2007

Permanent: plant richness (−), Simpson’s plant diversity (−),
% invasive plant cover (−)
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Moussalli 2010). All models with ΔQAICC<2.0 were consid-
ered competitive and were retained following examination of
diagnostic plots for fit (Burnham and Anderson 2002). How-
ever, if an additional parameter with minimal explanatory
power was added to a model within the competitive set and
did not improve the model’s maximum log-likelihood, the
model with the additional parameter was considered uninfor-
mative (Burnham and Anderson 2002). We assessed the rela-
tive strength of the variables included in these models from
parameter estimates and 95 % confidence intervals.

Amphibian Community Analysis Statistical analyses for the
entire amphibian assemblage, including rare species, were
non-parametric. Response variables included counts of eggs,
larvae, juveniles, and adults (averaged over three sampling
periods) for all amphibian species/life stages detected in sur-
veys. Site-scale covariates included AGE, INVCOV, FISH,
WATEMP, HYDRO, and AREA (log-transformed), while
landscape-scale covariates (coverage within a 1,000 m radius
from the site; log-transformed) included FOR1000,
WET1000, and URB1000.

Non-metric multidimensional scaling (NMS;Mather 1976)
was performed in the vegan package in R to describe impor-
tant patterns in species composition by ordinating the 26
sample units in amphibian species space (average count for
each species and life stage for each site). The ordination was
overlain with a joint plot to display the strongest correlations
between the environmental variables and the ordination axes
based on the Pearson’s r statistic. The r2 values represented
the correlation between the ordination distance and the dis-
tance in original space. NMS was conducted using a random
starting configuration with the Sørensen (Bray-Curtis) dis-
tance measure. Amphibian count data were relativized by
species maximum to rescale and equalize the influence of
disproportionately abundant species and life stages. To facil-
itate detection of relevant relationships between community
composition and habitat variables with minimal accumulation

of noise, we considered removing rare species. Six species/life
stage combinations never occurred in the matrix, and upon
comparing the cumulative variance of column (species) sums
prior to the adjustment and after the adjustment, we deter-
mined that it was appropriate to remove these rare individuals
from subsequent analyses. NMS was followed by a multi-
response permutation procedure (MRPP; Mielke 1984) exe-
cuted in R to compare differences in amphibian species com-
position between categorical grouping variables (FISH, HY-
DRO, and MGMT). MRPP is a nonparametric procedure for
testing whether there is a significant difference between two or
more groups of sample units by comparing within-group and
between-group Sørensen (Bray-Curtis) dissimilarity matrices,
weighted by group size (n ) (Mielke 1984).

Results

Plant Community A total of 96 plant taxa were present at the
26 wetland sites sampled (87 at actively managed wetlands
and 42 at passively managed wetlands), with a mean plant
taxon richness of 11.8 (95 % confidence interval [CI]=9.22 to
14.32) per site (Table 3, Online Resource 2). Native plants
having the highest mean percent coverage were spikerush
(Eleocharis spp. ; x %=11.0, 95 % CI=7.15 to 14.87), cattail
(Typha latifolia ; x %=4.9, 95 % CI=1.92 to 7.84), and
American water plantain (Alisma subcordatum ; x %=
2.4, 95 % CI=0.37 to 4.51), and invasive plants having the
highest coverage were reed canarygrass (Phalaris
arundinacea ; x %=15.6, 95 % CI=7.78 to 23.32), meadow
foxtail (Alopecurus pratensis ; x %=3.4, 95 % CI=0.50 to
6.36), and water smartweed (Polygonum amphibium ; x %=
2.0, 95 % CI=−0.46 to 4.35). Total invasive cover and reed
canarygrass cover at the sites were highly correlated (r =
0.704, p <0.001), and invasive cover at the study sites was
highly dominated by reed canarygrass.

Table 2 Variables selected for inclusion in multiple regression models for counts of each anuran species (with direction of predicted effect), based on a
priori hypotheses informed by literature sources

Parameter Identifier Source Predicted effect on response

WRP site age AGE Summers 2010 Pseudacris regilla (+), Rana aurora (+),
Lithobates catesbeianus (+)

x % invasive cover INVCOV Rittenhouse 2011 Pseudacris regilla (−), Rana aurora (−),
Lithobates catesbeianus (−)

Bullfrog count (log) LICA Kiesecker et al. 2001 Pseudacris regilla (−), Rana aurora (−)
Non-native fish presence FISH Werner and McPeek 1994;

Adams et al. 2003
Pseudacris regilla (−), Rana aurora (−),
Lithobates catesbeianus (+)

Wetland hydroperiod HYDRO Babbitt 2005 Lithobates catesbeianus (−)
Urban land area within 1,000 m URB1000 Riley et al. 2005 Pseudacris regilla (+), Rana aurora (+),

Lithobates catesbeianus (+)
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Plant taxon richness, Simpson’s diversity, and gamma di-
versity were higher at actively managed sites (Table 3). The
models ranked as best by AICC indicated that management
intensity most adequately explained the variation for
Simpson’s plant diversity and % invasive cover (Table 4).
HYDRO was included along with MGMT in a competitive
model predicting Simpson’s plant diversity, but its parameter
estimate did not have a significant effect on the slope of the
response (Table 4). Simpson’s diversity was higher (βMGMT=
0.56, 95 % CI=0.21 to 0.70) and % invasive cover was lower
(βMGMT=−16.21, 95 % CI=−30.03 to −2.39) at actively
managed sites (Table 4). Percent vegetative cover (Welch’s
two-sample t-test; t (22.78)=1.45, p =0.16) and% bare ground
(t (20.79)=0.87, p =0.40) were not significantly different be-
tween actively and passively managed sites.

Amphibian Community All six amphibian species inhabiting
the Willamette Valley were encountered during surveys: Pa-
cific chorus frog, northern red-legged frog, rough-skinned
newt (Taricha granulosa ), northwestern salamander
(Ambystoma gracile ), long-toed salamander (Ambystoma
macrodactylum ), and American bullfrog. Amphibian

diversity was similar between actively and passively managed
sites under multiple metrics (Table 3). Chorus frogs were the
most common species, occupying all 26 survey sites, followed
by bullfrogs, which occurred at 20 (76.9 %) sites (Fig. 2a).
Northwestern salamanders and long-toed salamanders were
rarely detected, each occurring at only three (11.5 %) sites
(Fig. 2a). The northern red-legged frog, a threatened species,
was present at 13 (50.0 %) sites and occurred most frequently
at seasonal, fishless wetlands (Fig. 2b). Native amphibians
occupied fishless sites more often than sites containing non-
native fish, except for rough-skinned newts, which were most
common at fish-bearing permanent sites (Fig. 2b). The inva-
sive bullfrog also occurred most frequently at sites with non-
native fish (Fig. 2b). Most amphibians were more common at
actively managed wetlands as opposed to passively managed
wetlands, apart from long-toed salamanders, which were de-
tected at two (25.0 %) passively managed sites and one
(5.6 %) actively managed site (Fig. 2c).

WRP management characteristics such as AGE, INVCOV,
and HYDRO commonly influenced anuran counts. AGE was
included in the top-ranked models for premetamorphic life
stages of Pacific chorus frog and postmetamorphic life stages

Table 3 Summary of plant and amphibian taxon diversity at 26Willamette
Valley WRP sites. Richness = average number of taxa per wetland group
(with 95 % confidence interval [CI]). Simpson’s index = a measure of

diversity that takes into account the number of taxa present as well as the
relative abundance (count) of each taxa. Gamma diversity = the total
number of unique taxa in the study area

N Plant diversity Amphibian diversity

Richness (95 % CI) Simpson’s Index Gamma Richness (95 % CI) Simpson’s Index Gamma

Management regime:

Active 18 13.1 (9.77 to 16.45) 0.94 87 3.0 (2.52 to 3.48) 0.76 6

Passive 8 8.8 (5.24 to 12.26) 0.87 42 2.6 (1.86 to 3.39) 0.73 5

Total 26 11.8 (9.22 to 14.32) 0.93 96 2.9 (2.50 to 3.27) 0.75 6

Table 4 Results of model selection using AICC to rank competing
candidate models for WRP plant communities which included all com-
binations of the variables of management regime (MGMT),WRP site age
since enrollment (AGE), and wetland hydroperiod (HYDRO). The

relative support for each model within the candidate set was determined
from its AICC weight (w i) ranging from 0 (no support) to 1 (full support).
R2 values represent the amount of variation explained by themodel. Only
models with ΔAICC<2.0 are reported

Model k ΔAICC wi R2 Estimated slope parameters (95 % CI)

Taxon richness

MGMT 3 0.0 0.312 0.111 βMGMT=1.480 (0.926 to 2.366)

Null (intercept only) 2 0.5 0.246 βnull=10.216 (8.166 to 12.794)

Simpson’s diversity

MGMT + HYDRO 4 0.0 0.348 0.267 βMGMT=0.557 (0.238 to 0.692)

βHYDRO=0.229 (−0.273 to 0.655)

MGMT 3 0.6 0.261 0.164 βMGMT=0.558 (0.205 to 0.698)

% invasive cover

MGMT 3 0.0 0.531 0.196 βMGMT=−16.213 (−30.033 to −2.393)
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of northern red-legged frog, having a positive effect on the
slope of the response given habitat covariates (Table 5). The
best model for postmetamorphic red-legged frogs and com-
petitive models for postmetamorphic chorus frogs indicated a
negative association between counts and INVCOV (Table 5).
Non-native species consistently appeared in the highest-
ranked models for native anurans. Postmetamorphic chorus
frogs and red-legged frogs were negatively associated with
LICA given covariates (Table 5). FISH had a stronger param-
eter effect on the slope of the native species’ responses than
LICAwhen included in models, and FISH was the only infor-
mative variable included in top models for premetamorphic
red-legged frogs (Table 5). Native anuran counts were consis-
tently lower whereas bullfrog counts were higher when non-
native fish were present (Table 5). URB1000 had a negative
effect on postmetamorphic chorus frog counts and occurred in
models alongside site-level covariates of LICA or FISH
(Table 5). No models were informative for premetamorphic
nor postmetamorphic bullfrogs, since the null models were
competitive in the set, and all parameter effects had 95 %
confidence intervals crossing zero.

The NMS ordination converged after 20 iterations at a
2-dimensional solution to represent the relationship

between species counts and wetland sample units, with
final stress of 0.202 and instability of 0.00 (p =0.020,
R2=0.748). The strongest (p <0.05) quantitative habitat
vectors related to amphibian species composition were
HYDRO (r2=0.377, p =0.005) and FISH (r2=0.317, p =
0.014). Bullfrogs were associated with FISH and HYDRO
along Axis 1 (egg: r =0.942, r2=0.299, p =0.013; juve-
nile: r =0.612, r2=0.336, p =0.006; adult: r =0.844, r2=
0.287, p =0.018), whereas native amphibians were nega-
tively associated (Fig. 3). Chorus frog larvae (Axis 1 r =
−0.999, r2=0.348, p =0.002) and long-toed salamander
larvae (Axis 1 r =−0.976, r 2=0.272, p =0.001) were
strongly negatively associated with FISH and HYDRO,
while other native species and life stages were not signif-
icantly correlated to the ordination axes (all p >0.05)
(Fig. 3). Multi response permutation procedure (MRPP)
results indicated that there were significant differences in
amphibian species composition between sample units cat-
egorized by FISH (non-native fish absent [N =12] vs. non-
native fish present [N =14]; A=0.020, p =0.041) and HYDRO
(permanent [N =10] vs. seasonal [N =16]; A=0.033, p =
0.002), but not MGMT (active [N =18] vs. passive [N =8];
A=−0.006, p =0.77).

Fig. 2 Bar plots depicting the percentage of sites occupied for all six
amphibian species detected from visual encounter surveys and dipnet
sampling: a the percentage of all 26 sites occupied by amphibians, b the

percentage of sites occupied, categorized by fish presence and hydrope-
riod, and c the percentage of sites occupied, categorized by management
regime
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Discussion

Active vegetationmanagement atWRP sites in theWillamette
Valley, Oregon is effective at reducing unwanted invasive
plant species and increasing plant diversity (also see Evans-
Peters et al. 2012). Although amphibian diversity and com-
munity composition did not differ between actively and pas-
sively managed WRP sites, the impact of management on the
wetland plant community indirectly transcended to the native
amphibians through the effect on invasive plant cover.
Postmetamorphic life stages of Pacific chorus frog and north-
ern red-legged frogs were negatively associated with percent

invasive plant cover, and active management reduces the
cover of invasive wetland plants. Conversely, neither
premetamorphic nor postmetamorphic stages of bullfrogs
showed a relationship with percent invasive cover. Reed
canarygrass, which dominated the invasive plant community,
may provide unsuitable egg deposition substrate for native
amphibians because of its thick culm (Watson et al. 2000).
Larval amphibian mortality may increase in wetlands choked
by dense reed canarygrass cover due to the accumulation of
toxic alkaloids and excessive organic input resulting in anoxic
conditions (Rittenhouse 2011). These negative effects on early
life stages may be reflected in postmetamorphic life stages as

Table 5 Results of QAICC mod-
el selection comparing best fit
models predicting counts of three
anuran species as a function of
Willamette Valley WRP habitat
variables. Only models with
ΔQAICC<2.0 are reported in the
table. Each model is accompanied
by its QAICC value, number of
parameters (k), model weight
(wi), and maximum log-likeli-
hood ratio statistic (LL). Where
parameter estimates have a 95 %
confidence interval (CI) that
crosses zero, the predictor is con-
sidered uninformative. Refer to
Table 2 for variable codes and
Online Resource 1 for variables
considered in each candidate
model set

Model k ΔQAICC wi LL Estimated slope parameters (95 % CI)

Pacific chorus frog (Pseudacris regilla) – Premetamorphic

PA1: FISH + AGE 4 0.0 0.579 −139.07 βFISH=−2.061 (−2.943 to −1.198)
βAGE=0.176 (0.037 to 0.314)

Pacific chorus frog – Postmetamorphic

PT1: LICA + INVCOV 4 0.0 0.263 −75.69 βLICA=−1.310 (−1.979 to −0.648)
βINVCOV=−0.048 (−0.090 to −0.008)

PT2: LICA + URB1000 4 1.1 0.149 −76.26 βLICA=−1.193 (−1.924 to −0.497)
βURB1000=−2.564 (−4.308 to −0.042)

PT3: FISH + URB1000 4 1.2 0.147 −76.27 βFISH=−2.571 (−4.172 to −1.059)
βURB1000=−2.653 (−4.388 to −0.177)

PT4: LICA 3 1.7 0.114 −78.08 βLICA=−0.693 (−1.006 to −0.384)
Northern red-legged frog (Rana aurora) – Premetamorphic

RA1: FISH + AGE 4 0.0 0.274 −54.21 βFISH=−5.962 (−10.582 to −2.857)
βAGE=0.385 (−0.036 to 0.967)

RA2: FISH 3 0.0 0.271 −55.77 βFISH=−3.883 (−6.282 to −1.605)
RA3: FISH + URB1000 4 1.2 0.152 −54.80 βFISH=−3.381(−5.613 to −1.254)

βURB1000=−2.389 (−4.747 to 1.203)

RA4: FISH + INVCOV 4 1.9 0.104 −55.18 βFISH=−3.728 (−6.045 to −1.541)
βINVCOV=−0.047 (−0.139 to 0.035)

Northern red-legged frog – Postmetamorphic

RT1: FISH + AGE 4 0.0 0.185 −26.79 βFISH=−3.936 (−8.026 to −0.912)
βAGE=0.653 (0.127 to 1.306)

RT2: LICA + AGE 4 0.3 0.157 −26.95 βLICA=−1.912 (−4.207 to −0.304)
βAGE=0.625 (0.066 to 1.353)

RT3: INVCOV 3 0.9 0.116 −28.80 βINVCOV=−0.061 (−0.128 to −0.002)
RT4: null 2 1.4 0.091 −30.46 βnull=0.785 (−0.393 to 2.630)

RT5: LICA 3 1.9 0.070 −29.30 βLICA=−0.461 (−1.083 to 0.111)

American bullfrog (Lithobates catesbeianus) – Premetamorphic

LA1: null 2 0.0 0.239 −97.40 βnull=4.194 (3.271 to 5.520)

LA2: HYDRO 3 0.5 0.189 −96.23 βHYDRO=1.683 (−0.441 to 4.182)

LA3: URB1000 3 1.9 0.092 −96.94 βURB1000=1.370 (−1.643 to 3.991)

LA4: AGE 3 2.0 0.089 −96.98 βAGE=−0.126 (−0.409 to 0.155)

American bullfrog – Postmetamorphic

LT1: FISH 3 0.0 0.265 −101.03 βFISH=1.635 (−0.025 to 3.231)

LT2: null 2 0.7 0.190 −99.29 βnull=3.670 (2.941 to 4.628)
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decreased adult recruitment. Further, movements of
postmetamorphic stages of relatively small-bodied native an-
urans (as opposed to heavier, large-bodied bullfrogs) may be
impeded by the dense above ground biomass and tangled
rhizomatous mats formed by reed canarygrass. Results of
our models indicate that bullfrogs may be more tolerant of
invasive vegetation at WRP sites. Thus, management actions
that reduce the cover of invasive reed canarygrass (and other
invasive plants) could improve habitat quality for native am-
phibians, especially for postmetamorphic chorus frogs and
red-legged frogs.

Premetamorphic chorus frogs and postmetamorphic red-
legged frogs were positively associated with the additional
management variable of WRP site age. The relationship
between WRP age and native anuran counts suggests the
potential for temporally-explicit recolonization following
habitat alteration. The benefits of restored wetlands for
native amphibians may increase over time corresponding to
vegetative succession and system stability. Bullfrog counts
were not associated with WRP age, possibly because bull-
frogs often readily colonize and are fairly tolerant of bare-
ground habitats characteristic of initial phases of restoration
(Porej and Hetherington 2005). Antagonistic encounters be-
tween bullfrogs and native species may be influenced by

priority effects in timing of colonization and occur more
frequently in newly created or restored wetlands, leading to
the exclusion of natives. Many studies have found that
interactions between bullfrogs or non-native fish and native
amphibians are highly context-dependent and mediated by
habitat quality (Hayes and Jennings 1986; Adams 1999;
Pearl et al. 2005; Adams et al. 2011). For this reason, dense
emergent vegetation occurring at later stages of restoration
could provide important refuge for native amphibian species
(e.g., Kiesecker et al. 2001).

Species-specific and ontogeny-specific differences in na-
tive anuran associations with invasive vertebrates were detect-
ed. Bullfrog count was a negative predictor of postmeta-
morphic chorus frog and red-legged frog counts, however
non-native fish had the strongest negative relationship with
native anuran counts and occurred in top models for all life
stages. While bullfrogs have been implicated in the decline of
red-legged frogs in the Willamette Valley (Nussbaum et al.
1983), several studies describe behaviors in native anurans
that suggest they are adapting to the presence of bullfrogs. In
fact, Hayes and Jennings (1986) reasoned that non-native
fish—not bullfrogs—are the strongest factor contributing to
ranid frog declines. Kiesecker and Blaustein (1997) found that
red-legged frog larvae from populations syntopic with

Fig. 3 Non-metric
multidimensional scaling (NMS)
plot of the ordination of sample
units in species space overlain
with a joint plot showing
relationships with the strongest
environmental gradients along
axes 1 and 2. Only species and
environmental vectors that that
are strongly (p <0.05) correlated
to the ordination axes are shown.
Sites that are clustered near each
other have lower Sørensen
distances and thus more similar
species composition. Species/life
stage relationships are denoted by
labeled black dots. Shaded boxes
distinguish presence/absence of
non-native fish at a wetland site.
Significant differences in species
composition occurred between
wetlands categorized by fish
presence (MRPP; A=0.020,
p =0.041)
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bullfrogs exhibited antipredator behaviors (e.g., reduced ac-
tivity levels and increased refuge use) when exposed to bull-
frog chemical cues. However, experimental studies have doc-
umented reduced red-legged frog and chorus frog activity
levels, development rates, and survivorship due to exploitative
competition from bullfrogs (Kupferberg 1997; Kiesecker et al.
2001). Our study only detected negative effects of bullfrogs
on postmetamorphic phases, and this is likely due to asym-
metric phenologies of native anurans and invasive bullfrogs.
The majority of the chorus frog and red-legged frog
postmetamorphic detections were of juveniles, with emer-
gence events corresponding with bullfrog breeding season
and an elevated likelihood of encounter. Further information
is needed on the long-term dynamics of coexisting native and
invasive populations, especially as bullfrogs are increasingly
common in seasonal ponds throughout the Willamette Valley
(Cook 2011; Cook et al. 2013).

The strongest structuring components of amphibian com-
munity composition were the presence of non-native fish and
wetland hydrology; management regime did not directly in-
fluence the species composition of the amphibian assemblage.
Ordination of amphibian communities with respect to hydro-
period and fish revealed a contrast between native amphibian
and bullfrog associations. Native amphibians—especially
aquatic larval stages of long-toed salamanders (rarely detect-
ed), red-legged frogs, and chorus frogs—were negatively
associated with non-native fish and permanent hydroperiods
while most life stages of bullfrogs were positively associated.
Invasive bullfrogs have a larval period that typically extends
beyond 1 year, so it follows that permanent water bodies will
enhance successful development to metamorphosis and sub-
sequent natal pond returns (Boone et al. 2004). Long-toed
salamanders, chorus frogs, and red-legged frogs, however,
commonly metamorphose within one season in the Pacific
Northwest (Jones et al. 2005), and larvae may be afforded
greater protection from vertebrate predators in seasonal wet-
lands (Skelly 1996). NMS allowed us to explore stage-specific
responses to habitat and management variables that were not
detected through modeling since we did not incorporate hy-
droperiod into a priori GLMs.

Consistent with previous studies (e.g., Pearl et al. 2005),
we found reduced native amphibian occurrence (especially for
rarely-detected long-toed salamanders and northwestern sala-
manders) but increased invasive bullfrog occurrence at sites
inhabited by non-native fish. The rough-skinned newt, how-
ever, was an anomaly among native amphibian species, oc-
curring most commonly at sites with non-native fish. This
species is highly toxic and unpalatable to many predators
(Brodie 1968), offering an explanation for its association with
fish. The most frequently encountered species of fish in this
study were largemouth bass and bluegill, which coevolved
with bullfrogs in their native eastern range (Adams et al.
2003). Amphibians native to the Willamette Valley evolved

in the absence of these novel predators; as such, they may not
possess innate or learned antipredator behaviors to respond
appropriately to risk (Pearl et al. 2005; Garcia et al. 2012). In
addition, bullfrogs can be facilitated by bluegill, which reduce
densities of aeschnid dragonflies that commonly prey on
bullfrog larvae (Werner and McPeek 1994; Adams et al.
2003). Invasional meltdown (Simberloff and Von Holle
1999) between fish and bullfrogs is known to produce inten-
sified direct and indirect impacts on native amphibians (e.g.,
Kiesecker and Blaustein 1998).

Urban land cover was negatively associated with counts of
postmetamorphic chorus frogs, but was not associated with
patterns of community composition that included rare species
and life stages. The relative importance of urban land cover
varied among species and life stages; this may reflect differ-
ences in habitat requirements/specialization, dispersal dis-
tance, reproductive potential, and physical tolerances
(Cushman 2006). Postmetamorphic chorus frogs are depen-
dent on upland terrestrial habitats and migrate to aquatic
breeding sites once winter rains begin (Nussbaum et al.
1983; Bulger et al. 2003). Thus, high quality, connected
matrix habitat consisting of forest buffers, wetlands, and min-
imal human disturbance is expected to facilitate chorus frog
dispersal. In contrast to chorus frogs, red-legged frogs and
bullfrogs were unaffected by urban cover. These species have
relatively large dispersal distances compared to the chorus
frog (Smith and Green 2005), and thus may be less
constrained by landscape composition immediately surround-
ing a central wetland. Also, bullfrogs are tolerant of human
modified habitats and chemical contaminants (Smith et al.
2004; Boone et al. 2007), and may even experience compet-
itive release in urban landscapes which are sub-optimal for
native amphibians. An additional variable describing regional
agricultural land cover would have provided further insight
into the anthropogenic pressures faced by native amphibians
at these sites.

An inherent constraint to the interpretation of multi-species
abundance or occupancy models is biased count data resulting
from imperfect detection. This problem may be especially
apparent in herpetological studies, since detection rates may
differ as a function of habitat covariates, and species may vary
in cryptic color patterns, activity levels, and breeding phenol-
ogies (Mazerolle et al. 2007). For these reasons, we used
count in place of abundance to emphasize the estimate of a
true population value. Every effort was made to select sam-
pling periods based on the most likely detection window for
each species in the assemblage, but observations may have
been biased toward late-season breeders (e.g., chorus frogs,
red-legged frogs, rough-skinned newts, and bullfrogs) over
early-season breeders (e.g., long-toed salamanders and north-
western salamanders). In addition, our survey methodology
may have yielded higher detectability to conspicuous anurans
(chorus frogs, red-legged frogs, and bullfrogs), breeding adult
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rough-skinned newts, and larvae of all species, as opposed to
adults of fossorial mole salamanders (long-toed salamanders
and northwestern salamanders). Although the potential for
detection bias is worth noting, we opted not to use occupancy
models because binary presence-absence data provides less
ecological information (Welsh et al. 2013). Ideally, we would
have used abundance models accounting for detectability in
open populations, however at present these models only exist
for single-species analyses (e.g., Royle et al. 2007) or multi-
species closed populations (e.g., Waddle et al. 2010). Since
amphibian breeding seasons are characterized by emigration
and immigration events, the assumption of a closed popula-
tion for which to estimate species-specific detectability
through mark-recapture techniques would be unrealistic for
our system. Further, recent simulation data suggests that oc-
cupancy models correcting for detection probabilities can
have similar bias and even greater estimate variance compared
to unadjusted models (Welsh et al. 2013).

Our results emphasize the importance of accounting for
both site-scale and landscape-scale conditions in conservation
planning, especially for species that utilize aquatic and terres-
trial habitats throughout their annual cycle. By including inter-
patch landscape structure as a scoring criteria for WRP wet-
land locations, practitioners can better provide for the require-
ments of native amphibians, increase the persistence of viable
breeding populations (Lehtinen et al. 1999), and minimize the
risk of creating population sinks or ecological traps (Shulse
et al. 2010). At the site-scale, invasive species, especially fish,
strongly influenced amphibian assemblages. In theWillamette
Valley, where flooding events allow for widespread move-
ment of aquatic organisms, it is imperative that managers
incorporate landscape-scale dynamics into adaptive strategies.
Efforts to restore local and regional habitat quality (e.g.,
removing invasive plant species, creating vegetative buffers,
and reducing human impacts) may benefit native amphibians
by indirectly contributing to the resistance of vertebrate inva-
sions (Adams and Pearl 2007). However, the most effective
way to enhance native amphibian populations may be through
focusing wetland creation in habitats resilient to or removed
from non-native vertebrates.

In multi-trophic invaded systems, complex species interac-
tions make management outcomes on wildlife difficult to
predict. This study illustrates that strong top-down forces
exerted by non-native vertebrate species can be primary reg-
ulators of native amphibian abundance and diversity. Resto-
ration ecology currently focuses on bottom-up effects of in-
vasive plant management on biodiversity, presenting the need
for a paradigm shift which also considers higher-order inter-
actions within novel systems.
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