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Abstract Fish introduced into wetlands can impact am-
phibian populations through predation on eggs and larvae.
While relationships among hydroperiod, habitat complexity
and predation on amphibian larvae have been examined in
relatively natural freshwater ecosystems, they have not been
explicitly considered in urban landscapes. We examined
these relationships in 64 urban wetlands in southern
Australia using non-native fish and aquatic invertebrates as
predators. Larvae of three out of six frog species detected
during our study were captured in wetlands containing fish.
With other variables held constant, the mean number of tree
frog (Litoria spp.) larvae in the wetland with the highest
abundance of predatory fish was predicted to be only 0.8–
3.2 % of the number of larvae in a fishless wetland. We also
found a negative relationship between predatory inverte-
brates and larval abundance. The abundance of tree frog
larvae was greatest in ephemeral wetlands where preda-
tory fish were generally absent. Our results suggest that
traditional models of amphibian distribution along pond-
permanence gradients may not be applicable in urban
ecosystems due to modified hydrology favoring perma-
nent wetlands. To conserve amphibians in urban areas,
we recommend draining wetlands periodically to remove
exotic fish, and conserving or restoring ephemeral
wetlands.
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Introduction

Predation and hydroperiod influence the composition of
larval amphibian communities in wetlands (Wilbur 1987;
Werner et al. 2007). Predatory fish and aquatic invertebrates
can eliminate larvae of some species and alter amphibian
assemblage structure (Heyer et al. 1975; Hero et al. 1998).
The introduction of fish into geographic areas outside their
natural range is regarded as a major driver of the decline and
disappearance of some amphibian species, through preda-
tion on their eggs and larvae (Collins and Storfer 2003; Kats
and Ferrer 2003). For example, introduction of mosquitofish
(Gambusia spp.) has been implicated in the decline of
several amphibian species (Gamradt and Kats 1996;
Hamer et al. 2002). There is also evidence that introduced
invertebrate predators such as crayfish (Cambaridae) can
reduce the distribution and abundance of some amphibian
species (Gamradt and Kats 1996; Riley et al. 2005), but the
geographic extent of this impact appears to be far less than
that of exotic fish. Wellborn et al. (1996) suggested that fish
predation on amphibian eggs and larvae will be greatest in
permanent wetlands and decrease along a hydroperiod gra-
dient towards ephemeral wetlands, which do not support
permanent populations of fish because they periodically
dry. In these fish-free ephemeral wetlands, aquatic inverte-
brates are the primary predators of amphibian larvae
(Wellborn et al. 1996).

Accordingly, wetland hydroperiod can have a strong
effect on amphibian assemblages, due in part to its influence
on occurrence of predatory fish and aquatic invertebrates,
and also due to life history requirements of amphibians, i.e.,
the duration of the larval phase (Pechmann et al. 1989;
Wellborn et al. 1996). For example, Semlitsch et al. (1996)
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found that wetland hydroperiod was a significant predictor
of number and diversity of metamorphosing amphibians.
Elsewhere, studies have shown that while fish and inverte-
brate predation can affect amphibian species, the strength of
the effect can be mitigated by either wetland ephemerality
(Werner et al. 2007) or structural complexity of the aquatic
habitat (Tarr and Babbitt 2002; Baber and Babbitt 2004;
Hartel et al. 2007). Increased structural complexity in wet-
lands (e.g., dense aquatic vegetation) may reduce fish-larvae
or invertebrate-larvae encounters by providing habitat
refugia, and subsequently decrease the number of larvae
killed or injured by these aquatic predators.

Humans often introduce exotic fish into waterways (Kats
and Ferrer 2003; Pyke 2005). Because the occurrence of
non-native fish increases with an increase in the degree of
human development around a wetland (Copp et al. 2005), it
is expected that exotic fish species in particular would have
major impacts on amphibian occurrence and abundance in
urban wetlands. By contrast, while some invertebrate preda-
tors decrease the abundance of amphibian larvae in urban
waterways (Riley et al. 2005), they do not appear to negatively
affect amphibian occurrence (Babbitt et al. 2003).

The degradation of aquatic habitats in urban landscapes
caused by the introduction of predatory fish is recognized as
a key threat to amphibians (Hamer and McDonnell 2008).
Urbanization often results in the conversion of fish-free
ephemeral wetlands to deeper and more permanent wetlands
that contain fish (Kentula et al. 2004). For example, losses
in natural ephemeral wetlands and gains in permanent wet-
lands in the Willamette Valley, Oregon, U.S.A., have facil-
itated the spread of non-native fish and reduced amphibian
occurrence in the region (Pearl et al. 2005). In some regions,
predatory fish are also more common in permanent wetlands
in urban areas than in rural areas (Rubbo and Kiesecker
2005). These studies suggest that the distribution of am-
phibian species along urbanization gradients may be primar-
ily influenced by hydroperiod because of the relationship
between predatory fish and wetland permanency.

However, increased aquatic vegetation that provides
refuge sites in urban wetlands may decrease the risk of
predation by non-native fish and enable some species to
persist in wetlands with long hydroperiods (Pearl et al.
2005). Despite the potential for aquatic vegetation and
shortened hydroperiods to mitigate the impact of preda-
tory fish on larval amphibians in urban wetlands, no
studies conducted in these areas have sought to identify
interactive effects between habitat attributes and fish
predation. Furthermore, no previous studies have explic-
itly assessed Wellborn et al.’s (1996) model of mecha-
nisms generating assemblage structure in amphibian
communities in urban wetlands by investigating the rel-
ative importance of native (invertebrate) and non-native
(fish) predators.

Here, we assess the relationships among larval amphibian
occurrence and abundance and aquatic predators, wetland
hydroperiod and aquatic vegetation in wetlands distributed
along an urban-rural gradient. While previous studies have
assessed the influence of these parameters on amphibian
communities in relatively natural ecosystems (e.g., Werner
et al. 2007; Both et al. 2011), we sought to test whether the
mechanisms of Wellborn et al. (1996) are equally applicable
in human-modified landscapes. Our approach provides in-
sight into how urbanization may affect a traditional model of
amphibian distribution along the pond-permanence gradi-
ent. We also provide recommendations for managing am-
phibian communities in urban wetlands.

Methods

Study Area

We conducted our study in the Greater Melbourne area of
Victoria in south-eastern Australia. The current human pop-
ulation of the region is 3.9 million and is predicted to
increase to 5 million by 2051 (McDonnell and Holland
2008; Australian Bureau of Statistics 2010). Melbourne
has a temperate climate, with an annual mean precipitation
of 639 mm; precipitation is distributed evenly throughout
the year (Stern 2005). The area of remnant wetlands in the
inner and outer suburbs of Melbourne totals 4546 ha
(McDonnell and Holland 2008).

Amphibian Surveys

We conducted tadpole surveys at 65 wetlands in public
parks and gardens. Sixty-two wetlands were originally se-
lected by Parris (2006) using maps and aerial photographs,
and stratified by wetland size, presence or absence of a
vertical pond wall, and landscape context. The remaining
three wetlands were selected by Hamer and Parris (2011)
and were located within 100 m of the original sites. We
further stratified our sample of 65 wetlands by the propor-
tion of road cover within a 500-m radius along an urban-
rural gradient (see Hamer and Parris (2011) for a map of the
study area). The availability of wetlands for sampling within
the larger set surveyed by Parris (2006) was reduced by
drought conditions experienced during our study. The 65
wetlands we surveyed included remnant wetlands on the
rural fringe, ornamental ponds in city parks, old quarries
and stormwater retention ponds. Wetland sites varied con-
siderably in size (range: 2–51104 m2).

We conducted four aquatic surveys at the 65 wetlands
over two breeding seasons in spring, summer and autumn
(November–December 2007, March–April 2008, August–
September 2008 and November–December 2008) to include
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the full range of breeding periods of the 14 frog species
recorded in the Greater Melbourne area (Hero et al. 1991).
We randomized the sequence that wetland sites were visited.

We quantified the abundance of amphibian species using
two survey techniques at each wetland: 1) bottle traps left in
wetlands overnight; and 2) dip-netting following trap retrieval
in the mornings. Bottle traps were plastic funnel traps made
from 1.25-L soft drink bottles (Richter 1995) and dip nets
were 1.4 mm mesh on a triangular frame (35×30×30 cm).
The total number of bottle traps deployed was proportional to
a wetland’s surface area (two traps minimum, plus one addi-
tional trap per doubling of surface area >25 m2, maximum 12
traps; modified sampling protocol from Adams et al. 1997).
Dip-net surveys were time-constrained; a minimum 2min was
spent dip-netting, plus two additional minutes per doubling of
surface area >25 m2 to a maximum of 22 min. We stratified
traps and dip-net sweeps proportionally among microhabitat
types, because larval amphibians are often microhabitat spe-
cialists (Shaffer et al. 1994). No bottle traps were deployed in
wetlands if the water depth was <10 cm.

We identified larvae to species in the field following Anstis
(2002) and released individuals once identified. Specimens
that could not be identified in the field were anaesthetized and
preserved in 70 % ethanol for later identification. The larvae
of the southern brown tree frog (Litoria ewingii) and whistling
tree frog (L. verreauxii) were grouped under the category
“Litoria spp.”, hereafter referred to as “tree frogs”, because
tadpoles of the two species are morphologically similar and
cannot be readily distinguished.

Fish Sampling, Aquatic Invertebrates and Wetland Variables

We quantified predatory fish catch per unit effort (CPUE) by
dividing the number of predatory fish captured in bottle traps
during a survey period by the number of bottle traps deployed
during that period. We defined predatory fish as those species
recorded in the study area that are known, based on previous
studies (e.g., Morgan and Buttemer 1996; Pyke and White
2000), to eat the eggs or tadpoles of any frog species found in
south-eastern Australia. We measured the proportion of the
wetland surface area covered by aquatic vegetation (i.e.,
% emergent + % submerged vegetation = total % aquatic
vegetation) at wetlands fromOctober–December 2007 (range:
0–192 %). We defined emergent and submerged vegetation as
aquatic vegetation that extended above or below the water
surface, respectively. Both emergent and submerged vegeta-
tion can exist in the same area of a wetland, so total % aquatic
vegetation can exceed 100 %. We measured hydroperiod at
wetlands throughout the study and scored the variable
according to the proportion of surveys (n/4) in which a wet-
land held water. Wetlands with a hydroperiod score <1 dried
on at least one occasion and were classified as ephemeral;
wetlands with a score = 1 were classified as permanent.

As with predatory fish, we quantified CPUE of predatory
aquatic invertebrates by dividing the number of predatory in-
vertebrates captured during a survey period by the number of
bottle traps deployed during that period. Predatory inverte-
brates included: giant water bugs (Belostomatidae), diving
beetles (Dytiscidae), water scorpions and needle bugs
(Nepidae), backswimmers (Notonectidae), dragonfly and dam-
selfly larvae (Odonata) and freshwater crayfish (Parastacidae;
Van Buskirk 2005; Wells 2007; Werner et al. 2007). Because
not all aquatic invertebrates represent an equal risk of predation
to anuran larvae, we calculated a score of predation risk among
these taxa, similar to that used by Van Buskirk (2005). The
mean CPUE of each of the invertebrate taxa were weighted by
a danger rating, according to their size and ability to handle
tadpoles as prey items, as follows: giant water bugs (× 0.50),
diving beetles (adults: × 0.75; larvae: × 0.50), water scorpions
and needle bugs (× 0.50), backswimmers (× 0.25), dragonfly
larvae (× 0.50), damselfly larvae (× 0.25), and freshwater
crayfish (× 1.00).

Statistical Analyses

We quantified CPUE of amphibian larvae by dividing the
number of larvae captured during a survey period by the
number of bottle traps deployed during that period. We did
not combine CPUE from bottle trap and dip-net surveys into
a single measure, because the former method was passive
area-constrained sampling while the latter was active time-
constrained sampling, and these different sampling efforts
cannot be reliably standardized for effort (Shulse et al.
2010). Instead, we used information from our dip-net sur-
veys to supplement bottle trap data. When a species was
captured by dip-netting but not bottle-trapping, we assigned
the site a standard CPUE of 0.01 so that detection of the
species was acknowledged, but its abundance was lower
than the minimum CPUE recorded in bottle traps (this value
was one-half the minimum CPUE possible from bottle trap-
ping; see Van Buskirk 2005; Babbitt et al. 2009). Assigning
a CPUE of 0 to these sites (n=5), which would result from
using bottle trap data only, may produce biased estimates of
the effects of the explanatory variables on occupancy and
abundance. We then calculated a mean value from trapping
over 1–3 periods. Survey data from one survey period
(March–April 2008) were eliminated from the analysis due
to the low number of individuals captured. Because one of
the 65 wetlands held water only on this occasion, we re-
moved it from the dataset, leaving 64 wetlands for analysis
(51 permanent and 13 ephemeral wetlands).

We assessed the similarity of the larval frog assemblages
according to three factors: 1) predatory fish present or
absent; 2) low versus high predatory invertebrate abun-
dance; and 3) permanent versus ephemeral wetlands. We
first constructed a similarity matrix, based on the relative
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abundance (square-root transformed) of tadpoles in wet-
lands where at least one species was captured, using the
Bray-Curtis coefficient (Bray and Curtis 1957). Eliminating
wetlands where no species were captured resulted in a
similarity matrix between pairs of 32 wetlands. Only species
captured at >1 wetland were included in the matrix. We
defined high invertebrate abundance as abundances that
were greater than half the maximum CPUE of the 32 wet-
lands. We then used non-metric multi-dimensional scaling
(nMDS) to represent the relative dissimilarities in species
assemblages among the 32 wetlands according to the three
factors (Clarke and Warwick 1994). We used the “stress”
value as a measure of goodness-of-fit of the overall structure
of the sample relationships in two-dimensional space, and
we interpreted this value according to the rules-of-thumb
given in Clarke and Warwick (1994).

We performed a one-way analysis of similarities
(ANOSIM) on the data in the similarity matrix (999
permutations) to determine if there were differences in
the assemblages between the three factors (Clarke and
Warwick 1994). For those tests that had a high Global R
value, we then assessed the contribution of each species
to the average sample dissimilarity between wetlands
with different levels of the factor using the SIMPER
(similarity percentages) routine (Clarke and Warwick
1994). The SIMPER routine calculates the overall per-
centage contribution each species makes to the average
dissimilarity between two groups, so that species can be
listed in decreasing order of their importance in discrim-
inating the two sample sets (Clarke and Gorley 2001).
Analyses were conducted using Primer v5 (Clarke and
Gorley 2001).

We used Bayesian, zero-inflated negative binomial re-
gression (ZINB) in OpenBUGS 3.0.3 (Spiegelhalter et al.
2007) to explore relationships among predatory fish and
predatory invertebrate abundance, proportional cover of
aquatic vegetation and wetland hydroperiod, and the prob-
ability of occurrence and relative abundance of larval am-
phibians for species with a naive detection rate >0.25.
Ecological data sets composed of counts often contain a
large proportion of zero values so that the data do not readily
fit standard distributions (Martin et al. 2005). This zero
inflation can result from either ‘true zero counts’ caused
by the real ecological effect of interest, and ‘false zero
counts’ caused by the failure to detect a species when it is
present (Martin et al. 2005); both sources of error will cause
bias in parameter estimates and their confidence intervals
(Tyre et al. 2003). We used a ZINB model to account for
both excess zeros and overdispersion (i.e., large counts
causing inflated variance) in the relative abundance data.
We used a conditional (or hurdle) model in which the first
model estimated the probability that the species was present
at a wetland using logistic regression (1), and the second

model estimated the expected relative abundance of the
species, conditional on presence, using negative binomial
regression (2) (Welsh et al. 1996):

logit p xið Þð Þ ¼ b0 xið Þ ð1Þ

log λ zið Þð Þ ¼ b1 zið Þ ð2Þ
where: p(xi) is the probability that an observation i is gen-
erated by the negative binomial, expressed as a function of
the explanatory variables (x) through a logit transformation;
λ(zi) is the relative abundance of individuals at wetland i
expressed as a function of the explanatory variables (z)
through a log transformation; and β0 and β1 are the regres-
sion coefficients for each explanatory variable (Martin et al.
2005). The negative binomial model included a parameter
(ϕ) to account for overdispersion and excess zeros in the
count data.

We included the four explanatory variables (abundance
of predatory fish, abundance of predatory invertebrates,
proportional cover of aquatic vegetation and hydroperiod)
in different combinations in the ZINB models to assess
competing hypotheses concerning the effects of these vari-
ables on the probability of occurrence and relative abun-
dance of amphibian larvae at a wetland. We hypothesized
that the probability of occurrence and abundance would 1)
decrease with increasing predator abundance; 2) decrease
with increasing wetland hydroperiod; and 3) increase with
increasing cover of aquatic vegetation. We also hypothe-
sized that there would be an interaction between predator
abundance and aquatic vegetation. Each variable was in-
cluded in a model that represented one of these hypotheses.
We assessed two linear interactions; 1) abundance of pred-
atory fish × aquatic vegetation cover, and 2) abundance of
predatory invertebrates × aquatic vegetation cover, as aquat-
ic vegetation may increase the survival of larval anurans in
the presence of predatory fish and invertebrates (Tarr and
Babbitt 2002; Baber and Babbitt 2004). We also assessed
one quadratic term (hydroperiod) as there is evidence from
natural systems that larval amphibian abundance peaks in
wetlands of intermediate hydroperiod (Snodgrass et al.
2000a), which fits with the model of Wellborn et al.
(1996). In previous work we described the response of the
amphibian community in the study area to non-native fish,
aquatic vegetation and hydroperiod, but our response vari-
ables were species richness and community composition,
and we did not include interaction terms (Hamer and
Parris 2011). We checked for intercorrelations between the
variables, and did not include proportional cover of aquatic
vegetation and hydroperiod in the same model as they were
highly correlated (Spearman’s rho, ρ=−0.47; Online
Resource 1). Data on CPUE of predatory fish were ln
(x+1)-transformed prior to analysis.
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The wetlands included in this study tended to occur in
spatial clusters with some wetlands <20 m apart. Thus, the
presence and relative abundance of larvae of a species at a site
may be influenced by their occurrence/abundance at one or
more neighboring sites, resulting in spatial autocorrelation
which may lead to biased estimation of model coefficients
(Wintle and Bardos 2006). We therefore added a categorical
‘cluster term’ as a random effect in each model (Parris 2006).
We assigned the 64 wetlands in the study area to one of 22
clusters, each containing 1–17 wetlands. Each cluster was
comprised of wetlands ≤2 km apart that were not separated
by busy roads (i.e., barriers to dispersal). In total, we made
inferences based on 14 models, which included one model
containing a constant and random effect term only (cluster
model), another containing a constant only (null model), and
12 containing the explanatory variables (Table 1).

We usedOpenBUGS to generate 100,000 samples from the
posterior distribution of each model after discarding an initial
‘burn-in’ of 10,000 samples. We centered the explanatory
variables by subtracting the mean from each variable, which
improves the efficiency of the Monte Carlo Markov Chain
sampling by reducing the correlation between successive
samples (McCarthy 2007). We used vague priors (mean,
standard deviation) for the intercept term (a ∼ dnorm(0,
0.001)), overdispersion parameter (ϕ ∼ dgamma(0.1, 0.1))
and the regression coefficients (β(x), β(z) ∼ dnorm(0, 0.1)).
We ran three replicate Markov chains for each model and
checked that convergence was reached for all variables on
the basis of the Brooks-Gelman-Rubin statistic (i.e., R<1.001;
Gelman and Rubin 1992; Brooks and Gelman 1998), and by
visual inspection of the chain histories. Bayesian credible
intervals (95 % confidence intervals, BCIs) were obtained
from the 2.5th and 97.5th percentiles of the posterior
distribution.

We assessed the relative importance of the four explana-
tory variables by calculating the multiplicative effect (with
BCIs) of each variable on the probability of occurrence and
relative abundance across the range of the variable.
Calculating multiplicative effects allowed us to determine
the magnitude and precision of the relationship between
occurrence/relative abundance and the variables, which is
more ecologically meaningful than relying on statistical
significance (McCarthy 2007; see also Cumming and
Finch 2005). The multiplicative effect size of each explan-
atory variable in the logistic regression (occurrence) models
was calculated as the change in the probability of occurrence
across the range of that variable, assuming an average
probability of occurrence of 0.5:

Ei ¼ Pmax� Pmin

where Pmax ¼ 1 exp �bi �maxið Þ þ 1½ �= and Pmin ¼
1 exp �bi �minið Þ þ 1½ �= , and maxi and mini are the maxi-
mum and minimum values observed for that variable, respec-
tively. A multiplicative effect size of 0 corresponds to no
change in the probability of occurrence. An explanatory var-
iable with Ei substantially different from 0 (either negative or
positive) is likely to have a strong effect on the probability of
occurrence.

The multiplicative effect size of the negative binomial
regression (abundance) was calculated as the exponent of
the standardized coefficient:

Ei ¼ exp bi � rangeið Þ
where Ei is the multiplicative effect of variable i, βi is the
regression coefficient of variable i, and rangei is the range of
values for variable i. In this case, a multiplicative effect size
of 1 corresponds to no change in the relative abundance, so
an explanatory variable with Ei substantially different from

Table 1 Deviance Information
Criteria (DIC) values for the 14
zero-inflated negative binomial
models of the occurrence and
relative abundance of tree frog
larvae (Litoria spp.) at a wetland

aΔDIC = DIC–minimum (DIC)

Model Variables DIC ΔDICa

1 constant 189.3 22.2

2 constant cluster 178.7 11.6

3 constant cluster vegetation 174.4 7.3

4 constant cluster fish 173.6 6.5

5 constant cluster fish vegetation 170.2 3.1

6 constant cluster fish vegetation fish × vegetation 170.1 3.0

7 constant cluster fish invertebrates 167.1 0.0

8 constant cluster hydroperiod 171.3 4.2

9 constant cluster hydroperiod hydroperiod × hydroperiod 170.5 3.4

10 constant cluster hydroperiod fish 170.4 3.3

11 constant cluster hydroperiod invertebrates 167.6 0.5

12 constant cluster invertebrates 172.6 5.5

13 constant cluster invertebrates vegetation 169.2 2.1

14 constant cluster invertebrates vegetation invertebrates × vegetation 169.9 2.8
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1 is expected to have a strong effect on abundance (with Ei>
1 = positive effect; Ei<1 = negative effect). Wide BCIs
indicate low precision and hence greater uncertainty in the
estimates of model coefficients.

We also assessed the relative fit of the models against
model complexity using the Deviance Information Criterion
(DIC; Spiegelhalter et al. 2002). We considered the best-
supported models to be those with a ΔDIC<2 (ΔDIC=
DIC–minimum (DIC)), models with aΔDIC of 2–10 to have
less support, and those with a ΔDIC>10 to have essentially
no support (Spiegelhalter et al. 2007; Anderson 2008).

Results

Larval Frog Assemblages

The mean CPUE of the larvae of six frog species captured
during our surveys ranged from 0.00 to 0.02 in wetlands
where predatory fish were present, and from 0.01 to 1.59 in
wetlands where fish were absent (Fig. 1). Tree frog larvae
had the highest rate of occurrence and relative abundance at
the 64 wetlands, whereas the larvae of the Victorian smooth
froglet (Geocrinia victoriana) had the lowest (Online
Resource 2). Tree frogs, southern bullfrog (Limnodynastes
dumerilii) and striped marsh frog (L. peronii) were the only
species captured in wetlands where predatory fish were
present. The relative abundance of the larvae of all species
except tree frogs was highest in ephemeral wetlands where
predatory fish were absent (Online Resource 3).

Predator Assemblages

Predatory fish consisted of two non-native species, mosquitofish
(Gambusia holbrooki) and redfin perch (Perca fluviatilis). No
other predatory fish were encountered. Mosquitofish accounted
for 99.9 % of the total number of predatory fish captured in
bottle traps while three redfin perch were captured at one site.

Backswimmers accounted for 53.1 % of the total number of
predatory invertebrates captured while crayfish accounted for
only 1.8 % of captures (Online Resource 4). Predatory fish were
present in only 2 out of 13 (15.4 %) ephemeral wetlands, while
they were present in 22 out of 51 (43.1 %) permanent wetlands.
In contrast, predatory invertebrates were present in 10
ephemeral wetlands (76.9 %) and in 36 permanent wetlands
(70.6 %). However, the CPUE of predatory fish and predatory
invertebrates was not strongly correlated with hydroperiod
(Spearman’s rho, ρ=0.27 and −0.26, respectively; Online
Resource 1).

Composition of Larval Frog Assemblages

Wetlands with and without predatory fish had different larval
assemblages (ANOSIM: Global R=0.28; Fig. 2). The average
dissimilarity (SIMPER) between these two groups was 72.6,
with 32.9 (45.3 %), 14.8 (20.4 %), 12.2 (16.8 %) and 10.2
(14.0 %) contributed by tree frogs, striped marsh frog, south-
ern bullfrog and common eastern froglet (Crinia signifera),
respectively. Tree frogs contributed most to the average sim-
ilarity of larval assemblages in wetlands without predatory
fish (79.9 %), followed by common eastern froglet (8.4 %)
and southern bullfrog (7.1 %). Tree frogs also contributed
most to the average similarity of assemblages in wetlands with
predatory fish present (63.6 %), followed by striped marsh
frog (36.4 %). These results support our prediction, that the
presence of predatory fish in a wetland modified the compo-
sition of larval frog assemblages.

We found no evidence of a large difference in the
composition of larval assemblages between wetlands with
different invertebrate abundance (Global R=−0.13), or be-
tween permanent and ephemeral wetlands (Global R=0.04).

Based on these results and the number of detections, we
used CPUE of tree frogs to assess the relationships between
predatory fish, predatory aquatic invertebrates, aquatic veg-
etation and hydroperiod, and the occurrence and relative
abundance of larvae in a wetland.

Species
Litoria spp. Lim. dumerlii C. signifera Lim. peronii P. haswelli G. victoriana
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Fig. 1 Mean catch per unit
effort (± S.E.) of six frog
species larvae captured in
wetlands with and without
predatory fish (mosquitofish
[Gambusia holbrooki] and
redfin perch [Perca fluviatilis]).
Lim. = Limnodynastes; C. =
Crinia; P. = Paracrinia; G. =
Geocrinia
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Probability of Occurrence and Relative Abundance of Tree
Frog Larvae

Relationships with Predators

Tree frog larvae were less likely to occur at a wetland as the
CPUE of predatory fish increased, with an average multi-
plicative effect size of −0.405 (range of 95 % CI: −0.783–
0.138) across the five models that included this variable
(Fig. 3a). Thus, the probability of occurrence at wetlands
with the highest CPUE of fish was about 41 % lower than

that at wetlands with the lowest CPUE (i.e., no fish). There
was also a strong negative association between the CPUE of
predatory fish and the relative abundance of tree frog larvae
(conditional on presence), with predicted multiplicative ef-
fect sizes between 0.008 and 0.032 (range of 95 % CI:
0.000–1.660; Fig. 3b). Thus, the wetland with the highest
CPUE of predatory fish (21.0 fish per bottle trap) was
predicted to have 0.8–3.2 % of the mean number of larvae
in a wetland with no fish present, holding other variables
constant. The predicted relationship showed a steep decline
in abundance of tree frog larvae with increasing CPUE of
predatory fish at a wetland (Fig. 4a).

Interestingly, we found a positive relationship between
the CPUE of predatory invertebrates and the occurrence of
tree frog larvae (Fig. 3a), with an average multiplicative
effect size of 0.565 (range of 95 % CI: −0.153–0.893) across
the five models that included this variable. However, there
was a negative relationship between the CPUE of predatory
invertebrates and the relative abundance of tree frog larvae.
While the latter relationship was not quite as strong as that
of predatory fish, it was still substantial with multiplicative
effect sizes between 0.015 and 0.096 (Fig. 3b). The predict-
ed relationship showed a gradual decline in larval abun-
dance over the range of predatory invertebrate abundance
observed at the wetlands (Fig. 4b).

Relationships with Hydroperiod

While there was some evidence that tree frog larvae were less
likely to occur as wetland hydroperiod increased, the wide
BCIs encompassing 1 indicated this association was uncertain
(Fig. 3a). But we found a clear negative relationship between
wetland permanence (hydroperiod) and relative abundance,
with multiplicative effect sizes between 0.015 and 0.051
(Fig. 3b). Thus, permanent wetlands were predicted to have
2–5 % of the mean number of larvae detected at the most
ephemeral wetland, when holding the other explanatory vari-
ables constant. We did not find evidence of a quadratic effect
of hydroperiod in either the logistic model (mean, BCI: –1.53,
–6.38–3.48) or the negative binomial model of relative abun-
dance (0.00, –6.20–6.20).

Relationships with Aquatic Vegetation

We found evidence of a strong positive relationship
between aquatic vegetation and the occurrence of tree
frog larvae, with multiplicative effect sizes between 0.71
and 0.76 (Fig. 3a). Thus, the probability of tree frog
larvae occurring at a wetland increased by 71–76 %
between a wetland with no vegetation and the wetland
with the highest proportional cover of aquatic vegeta-
tion, when holding the other variables constant. There
was limited evidence for a positive association between
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Fig. 2 Non-metric multi-dimensional scaling (nMDS) ordination of 32
wetlands based on Bray-Curtis similarities of the relative abundance of
five tadpole species (Crinia signifera, Limnodynastes dumerilii, L.
peronii, Litoria spp. and Paracrinia haswelli), according to: a preda-
tory fish present (open circles) and absent (shaded triangles); b low
predatory invertebrate abundance (open circles) and high predatory
invertebrate abundance (shaded triangles); and c permanent wetlands
(open circles) and ephemeral wetlands (shaded triangles). Relation-
ships are depicted in two-dimensional space; stress = 0.12
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aquatic vegetation and the relative abundance of tree
frog larvae. Two out of five models predicted a small
positive relationship, with the other three predicting an
effect size close to 1 (no change), and all estimates had
wide BCIs encompassing 1 (Fig. 3b).

Interaction Between Predator Abundance and Aquatic
Vegetation

We did not find evidence of an interaction between the
CPUE of predatory fish and aquatic vegetation in either
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Fig. 3 The multiplicative effect of four explanatory variables (mean
and BCIs) on the a occurrence and b relative abundance of tree frog
(Litoria spp.) larvae at 64 wetlands in the study area. See Table 1 for

model numbers. Effect sizes >0 or 1 indicate a positive effect of the
explanatory variable on occurrence or relative abundance, respectively;
effect sizes <0 or 1 indicate negative effects
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the logistic model (mean, BCI: 1.92, −1.87–5.79) or the
negative binomial model of relative abundance (−0.36,
−5.88–5.17). Again, there was no interaction between in-
vertebrate CPUE and aquatic vegetation in either model
(mean, BCI: 0.91, −3.23–5.50 and 1.71, −2.35–5.74,
respectively).

Model Support and DIC Values

Two models of the probability of occurrence and relative abun-
dance of tree frog larvae received more support than the
remaining six models based on DIC values (ΔDIC<2.0:
models 7 and 11; Table 1). These two models included the
CPUE of predatory fish, and the CPUE of predatory inverte-
brates and wetland hydroperiod as explanatory variables.
There was also some support for seven other models that
included various combinations of the four explanatory variables
(ΔDIC=2.0–5.0), including the two interactionmodels (models
6 and 14) and the quadratic model (model 9). There was
essentially no support for the null model (model 1) or for the
model including only the cluster term (model 2; ΔDIC>10.0).

Discussion

The composition of tadpole assemblages differed between
wetlands with no predatory fish and wetlands with fish, and
there was a strong negative relationship between CPUE of
predatory fish and the relative abundance of tree frog larvae.
The relationship between predatory fish and larval occurrence
was also negative but less certain, and a similar result was
found with species richness earlier (Hamer and Parris 2011).
Although no experimental studies have been conducted, tree
frog larvae may suffer high rates of fish predation because
they actively swim and feed throughout the water column
(Peterson et al. 1992; Anstis 2002), which would make them
particularly vulnerable to attack from foraging mosquitofish
(Pyke 2005). The swimming behavior of southern brown tree
frog larvae also increases its risk of attack by odonate larvae
(Peterson et al. 1992), and we observed a negative relationship
between the CPUE of predatory invertebrates and relative
abundance of tree frog larvae. In contrast, the probability of
occurrence of tree frog larvae at a wetland increased with an
increasing abundance of predatory invertebrates, probably
because high invertebrate abundance at a wetland is correlated
with increasing aquatic vegetation, which also favors occu-
pancy by tree frogs. The relationship between predatory in-
vertebrates and tree frog larvae may be slightly weaker
because mosquitofish are fast swimmers that actively search
for prey (Pyke 2005), whereas predatory invertebrates often
employ a passive ambush foraging mode thereby limiting
their foraging area and reducing encounter rates with prey
(Wellborn et al. 1996).

Some studies suggest that habitat complexity (e.g., aquatic
vegetation) may mediate the level of predation by
mosquitofish on tadpoles to some extent (Morgan and
Buttemer 1996), particularly for relatively inactive species
(Baber and Babbitt 2004). There was a positive relationship
between the extent of aquatic vegetation in a wetland and the
occurrence of tree frog larvae, as there was for species richness
earlier (Hamer and Parris 2011). However, the ability of
vegetation to mitigate the impact of predatory fish on larvae
was uncertain, as indicated by the very wide BCIs around the
predicted effect sizes for the interaction model that overlapped
zero. Mosquitofish forage efficiently in structurally-complex
habitats (Casterlin and Reynolds 1977) and are likely to
encounter tree frog larvae even in wetlands with a high cover
of aquatic vegetation. Mosquitofish are therefore likely
to be reducing the number of tree frog larvae surviving
to metamorphosis at wetlands in our region and where
they have been introduced elsewhere. Aquatic habitat
complexity has been shown to reduce predation rates
by invertebrates on amphibian larvae, although this will
depend on the foraging mode of the predator and the
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lines) of tree frog (Litoria spp.) larvae as a function of mean CPUE
of a predatory fish; and b predatory invertebrates (weighted by a
danger rating). Mean values and BCIs were estimated from model 7
while holding the other explanatory variables at their mean value
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use of protective microhabitats by amphibians (Babbitt
and Tanner 1997; Tarr and Babbitt 2002).

Our results are largely consistent with the permanence-
predation mechanism proposed by Wellborn et al. (1996);
predatory fish were more prevalent in permanent wetlands,
while predatory invertebrates were more common in ephemer-
al wetlands. We found no evidence of a peak in larval occur-
rence or abundance in wetlands of intermediate hydroperiod
(wetlands with a hydroperiod score <1 but >0.25). However,
this may be due to the low variability in the hydroperiod of
wetlands we observed, which resulted in a small sample of
wetlands of intermediate hydroperiod (n=11). In many urban
ecosystems, wetland hydroperiod is likely to be increased by
modified hydrology caused by impervious surfaces (e.g.,
roads, parking lots, buildings and pavements) in the surround-
ing landscape (Kentula et al. 2004; Lee et al. 2006). Therefore,
the permanence gradient that underpins the theoretical model
of Wellborn et al. (1996) may become skewed towards a
greater prevalence of permanent wetlands in urban areas.

The relative abundance of tree frog larvae was higher in
ephemeral wetlands, and predatory fish were absent from a
higher proportion of ephemeral wetlands. Occurrence was
also higher in ephemeral wetlands but there was greater un-
certainty. A similar result was found with species richness in
our earlier study (Hamer and Parris 2011). There is likely to be
less predation on larvae by fish predators in ephemeral wet-
lands because they dry out periodically, eliminating fish
populations (Wellborn et al. 1996). Other studies of larval
amphibian distribution have demonstrated an increased pres-
ence of predatory fish in permanent wetlands in urban areas,
coinciding with a decrease in species occupancy (Pearl et al.
2005; Rubbo and Kiesecker 2005). In our study there was a
negative correlation between wetland permanency and cover
of aquatic vegetation (i.e., ephemeral wetlands supported
greater aquatic vegetation cover). Ephemeral wetlands may
also contain more food resources (Harris 1999). Nonetheless,
reproduction in ephemeral wetlands is often risky as wetland
drying can lead to substantial losses of amphibian larvae
(Semlitsch et al. 1996; Skelly 1996). While draining urban
wetlands to remove silt and clear unwanted vegetation can
remove fish and invertebrate predators, it can also eliminate
entire cohorts of amphibian larvae if draining occurs during
the period when larvae are present in wetlands.

While we previously found that tree frogs had an interme-
diate response to the abundance of predatory fish when
assessed within the context of community composition
(Hamer and Parris 2011), the strong negative relationship
between tree frogs and fish observed when modeled individ-
ually highlights the importance of using complementary mea-
sures of species response in urban landscapes, as advocated by
Hamer and McDonnell (2008). Even when species are
modeled individually there can be discrepancies. For example,
although there was a negative relationship between CPUE of

predatory invertebrates and the relative abundance of tree frog
larvae, we found a positive relationship between invertebrate
CPUE and the occurrence of tree frog larvae. We therefore
recommend modeling multiple response variables in amphib-
ian studies. Because our study was correlative, inferences as to
the effects of predators, vegetation, and hydroperiod on re-
sponse variables may only be achieved through experimental
approaches that control other confounding variables. An ex-
perimental approach would also provide greater inference
when recommending management actions to increase the
suitability of wetlands as amphibian breeding sites.

Our results here and previous (Hamer and Parris 2011)
indicate that management actions should focus on eliminating
predatory fish fromwetlands to increase the suitability of urban
wetlands as amphibian breeding sites. Because humans fre-
quently introduce non-native fish into urban wetlands
(Brönmark and Edenhamn 1994; Copp et al. 2005; Pyke
2008), educating the public regarding the negative impacts of
exotic fish on frog species may also be a useful management
strategy. Our results showed that aquatic vegetation may in-
crease the occurrence of tree frog larvae, and so planting
aquatic vegetation is likely to provide breeding sites for tree
frogs. Encouraging vegetation growth and providing
mosquitofish-free wetlands has been shown to bolster amphib-
ian reproductive output in wetlands designed for mitigation
and restoration in non-urban landscapes (Shulse et al. 2012).
We recommend adopting similar measures at wetland restora-
tion sites in urban areas. This study also highlights the potential
importance of ephemeral wetlands, which are often overlooked
for conservation (Snodgrass et al. 2000b). Many ephemeral
wetlands in urban areas are frequently dredged or dammed,
increasing their permanency and therefore propensity to sup-
port populations of predatory fish (Adams 1999; Pearl et al.
2005). Protecting or restoring ephemeral wetlands, which are
naturally fish-free, should therefore be a management priority.
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