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Abstract
Measurements of sediment–water fluxes of O2, NO23, NH4, and PO4 and water column and sediment variables were con-
ducted at 348 sites in Chesapeake Bay and Maryland Coastal Bays with most (~ 76%) of the 1746 sets of measurements  
collected during warm seasons when these processes were most active. We performed a system-wide synthesis of these 
spatially extensive, long-term data to identify the primary controlling factors on sediment–water fluxes over seasonal and 
interannual time periods and assess the relative contribution of sediment–water fluxes to nutrient cycling across distinct  
regions of Chesapeake Bay and the Maryland Coastal Bays. Bay-wide spatial patterns revealed hotspots for sediment–
water fluxes, and statistical models were able to explain 46% (O2), 23% (NH4), 25% (NO23), and 38% (PO4) of variability 
in fluxes, with solute-specific controlling variables including temperature, bottom water oxygen and nutrient concentra-
tion, and sediment organic matter. An analysis of long-term variations in fluxes at six locations in the Bay (12–17 year 
time series) exhibited only weak evidence of long-term trends, but interannual variability was related to both water col-
umn and sediment variables, depending on the solute of interest. Finally, we compared external loads of “new” total 
nitrogen and phosphorus (TN and TP) to system-wide sediment–water fluxes of NH4 and PO4 at 22 Bay tributary and 
Coastal Bays sites, finding that ~ 64% of sites had annual sediment recycling rates that exceeded annual external loading  
rates, revealing the importance of recycled nutrients in these shallow systems.

Keywords  Sediment–water nutrient exchanges · Sediment oxygen consumption · Estuarine nutrient dynamics · Chesapeake 
Bay

Introduction

Sediment–water exchanges of elements such as oxygen, 
nitrogen, phosphorus, silica, carbon, and others have been 
recognized as an important component of metabolism and 
nutrient cycling in estuarine and coastal marine waters 
(e.g., Boynton et al. 2018). Further, in these relatively shal-
low systems, many of which are less than 10 m in depth 
(Bricker et al. 2007), primary production in illuminated sur-
face waters is immediately adjacent to aphotic deeper waters 

and the sediment surface where decomposition processes 
predominate. These adjacent zones of primary production 
and remineralization interact with each other, and these 
often complex interactions have been termed pelagic-benthic 
(P-B) coupling (Jensen et al. 1990; Kemp et al. 2005). P-B 
coupling promotes elevated and sustained levels of primary 
and secondary production (e.g., Nixon 1988).

In recent years, there have been several global-scale 
reviews of basic rate processes in estuarine and coastal 
marine systems. Rate measurements are important because 
they quantify the underlying processes which determine—
and respond to—concentrations of commonly measured 
nutrients in the water column. Compared to the treasure 
trove of concentration measurements now available for 
analysis in the world’s coastal waters, rate measurements 
remain relatively rare even though techniques for making 
such measurements have been available for the past half cen-
tury or more. Reviews of phytoplankton production rates 
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(Cloern et al. 2014) and sediment–water oxygen and nutrient 
fluxes (Boynton et al. 2018) both indicated limited global 
coverage and serious lack of time-series measurements at 
specific locations as well as some methodological issues. 
The lack of such rate processes is a major constraint on the 
development and refinement of numerical models that are 
increasingly used in both science and management appli-
cations in these shallow environments. In addition, in the 
few cases where sediment–water flux time-series measure-
ments were available, such measurements have been useful 
in evaluating eutrophication abatement (e.g., Tucker et al. 
2014) and other environmental trends (Fulweiler and Nixon 
2009). We believe the sediment–water oxygen and nutrient 
flux data set developed for the Chesapeake Bay and tributar-
ies represents the largest such data set currently available for 
any coastal or estuarine system.

During the 1970s, it became increasingly clear that 
many estuaries and coastal marine ecosystems were expe-
riencing early to advanced signs of eutrophication, includ-
ing Chesapeake Bay. Beginning in the late 1970s, the US 
Environmental Protection Agency initiated a 5-year pro-
gram to assess, among other things, the status and trends 
in water and habitat quality in the Bay (Environmental 
Protection Agency (EPA) 1982). These efforts directly led 
to the Chesapeake Bay Program, a sustained, coordinated, 
multi-state, and federal program aimed at restoration of 
the Bay and its many tributary rivers. That program is now 
in its 38th year of operation. One of the major findings of 
the initial EPA program was the need for a comprehen-
sive and sustained monitoring program for the Bay and 
tributary rivers. EPA, the relevant states, academic groups, 
and other stakeholders designed a monitoring program that 
included water quality, food web, and habitat metrics and, 
importantly, included both the measurement of conven-
tional water column and sediment concentrations, but also 
a limited number of process rate measurements. Such an 
emphasis on rates was unusual for a monitoring program 
at that time, and the program included estimates of exter-
nal freshwater; nutrient and sediment loading rates from 
diffuse, point, and atmospheric sources; rates of algal pri-
mary production; deposition rates of particulate organic 
matter from the water column to estuarine sediments; and 
measurements of sediment–water exchanges of oxygen 
and nutrients. These rate measurements were supported, 
in addition to more traditional measurements, because it 
was clear that understanding the magnitude, seasonality, 
and geographic distribution of these processes would be 
essential in the initial development and later refinement  
of water quality models which have been intensively  
used to assess current and future water quality and habitat 
conditions as restoration efforts progress (Cerco and Noel  
2004; Brady et al. 2013; Testa et al. 2013).

Analyses of portions of the Bay sediment–water flux data 
set have previously been completed and often focused on 
factors thought to influence sediment rate processes such 
as hypoxia or anoxia (e.g., Cerco 1985), depth (Kemp et al. 
1992), macrofaunal effects (Bosch et al. 2015), organic 
matter availability (Cowan and Boynton 1996), bottom 
water nutrient and temperature conditions (Cornwell et al. 
2016), pH (Gao et al. 2012), salinity (Jordan et al. 2008), 
and sediment resuspension effects (e.g., Porter et al. 2010). 
However, analyses of the multi-decade Chesapeake Bay 
sediment–water oxygen and nutrient flux data set aimed 
at developing an ecosystem-scale understanding have yet 
to be accomplished. We had several goals in develop-
ing this synthesis, including (1) to assemble a database 
of sediment–water flux measurements (O2, NH4, NO23 
(NO2 + NO3), and PO4) and associated water column and 
sediment variables that have been made during the past four 
decades and make the database available to all interested 
researchers, particularly those involved with developing the 
next generation of estuarine water quality models; (2) to 
characterize the spatial distribution, magnitude, and sea-
sonality of sediment–water fluxes among portions of this 
large estuarine system having strong gradients in physical, 
chemical, and biological properties; and (3) to use a com-
parative approach to examine interannual variability in sedi-
ment–water fluxes and to evaluate the relative importance of 
“new” (i.e., watershed loads) versus nutrients recycled from 
sediments in this system with large differences in nutrient 
loading rates among tributary rivers. In this latter approach, 
we did not analyze water column processes (e.g., water col-
umn recycling).

Study Area and Sampling Locations

Many descriptions of the Chesapeake Bay system and associ-
ated drainage basins are available in the literature (e.g., Pritchard 
1952, 1967; Goodrich et al. 1987; Boicourt 1992; Brush et al. 
1980; Brush and Brush 1994). In brief, the Chesapeake Bay 
system is a large, coastal plain, river-dominated estuary located 
in the USA mid-Atlantic region. The mainstem of the Bay is 
approximately 270 km in length, 8 to 40 km in width, and has a 
mean depth of about 9 m. The volume of the entire Bay system, 
including tidal tributaries, is approximately 74.4 × 109 m3. About 
50% of the system surface area is in the tributary rivers and 
adjacent bays, while about 70% of the volume is in the mainstem 
Bay. The upper and lower thirds of the mainstem Bay are shal-
lower (5 m and 9 m, respectively) than the middle portion (12 m; 
Cronin and Pritchard 1975).

Approximately 60 tributaries, many quite small, enter 
the mainstem Bay (Fig. 1) and together produce a mean 
freshwater discharge of 7 × 1010 m3 year−l which results in 
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a freshwater fill-time of about 1 year (Boynton et al. 1995). 
The Susquehanna River at the head of the mainstem Bay 
accounts for approximately 50% of the freshwater flow, and 
the Potomac, James, Rappahannock, and York Rivers supply 
most of the remaining flow (Moyer and Blomquist 2017). 
The highest river flows normally occur in the late winter-
early spring and lowest flows during late summer-fall, but 
unusually high and low flows have occurred in all months 
of the year. Freshwater inputs drive elevated seasonal strati-
fication in summer (e.g., Murphy et al. 2011), which is a 
prerequisite condition for seasonal-scale hypoxia and anoxia 
to develop in most regions of the estuarine complex. In fact, 
interannual variations in river flow and associated nutrient 
load are the primary drivers of the extent and duration of 

hypoxia in Chesapeake Bay (Hagy et al. 2004; Scavia et al. 
2021), where hypoxia typically occupies the deep channel 
of the mainstem Bay (> 10 m deep) from just north of the 
Chester River to just south of the Potomac River (Fig. 1). 
Hypoxia can extend as far south as the Rappahannock River 
mouth in high-flow years, and substantial hypoxic volumes 
occupy the Chester, Patuxent, and Potomac Rivers.

The ratio of drainage basin area to estuarine surface 
area for the entire Chesapeake Bay system is 14:l indicat-
ing a large potential terrestrial influence on the estuary  
(EPA 1982). Total nitrogen (TN) and total phosphorus (TP) 
loading rates for the entire Chesapeake Bay system were 
approximately 10.8 × 106 kmol N year−1 and 0.36 × 106 kmol 
P year−1 during the mid to late 1980s (Boynton et al. 1995), 

Fig. 1   Maps of the Chesapeake Bay, tributary rivers, and the Maryland 
Coastal Bays showing the approximate location of sediment–water oxy-
gen and nutrient flux measurement sites. Sites where measurements 
were conducted for 12–17 years are indicated by larger green circles, 
and the six locations in Fig. 5 are labeled, including St. Leonard Creek 
(STLC), Broomes Island (BRIS), and Marsh Point (MRPT) in the 

Patuxent River estuary, Ragged Point (RGPT) in the Potomac estuary, 
and Point No Point (PNPT) and R-64 in the mainstem Chesapeake Bay. 
Latitude and longitude for each sampling site are provided in the data 
set available at www.​gonzo.​cbl.​umces.​edu and Boynton and Ceballos 
(2019). Site descriptions are provided in Supplementary Table 1

http://www.gonzo.cbl.umces.edu
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but system-wide TN and TP loads have declined by 27% 
and 23%, respectively, during the most recent two decades 
(Testa et al. 2018). Interannual variability in loading rates to 
the estuary is large and is primarily controlled by interannual 
changes in river flow rather than interannual nutrient con-
centration changes. The range in areal loading rates among 
Bay systems is also large, ranging, for example, from about 
0.07 mol N m−2 year−1 in portions of the Maryland Coastal 
Bays to over 7 mol N m−2 yr−1 in the Back River estuary, a 
small tributary in the upper Bay receiving substantial waste 
water treatment plant discharge (Testa et al. 2022).

Sediment–water oxygen and nutrient flux measure-
ments were also conducted in the Maryland Coastal Bays. 
Detailed descriptions of these systems have been reported 
elsewhere (Dennison et al. 2009). In brief, these systems 
(Fig. 1) are uniformly shallow (~ 2-m mean depth), vertically 
well mixed, rarely exhibit severe hypoxia, have relatively 
long water residence times (Pritchard 1960), low freshwa-
ter inflows from mainland creeks, and exhibit high, or even 
hypersaline, conditions during dry years. Data from the Mar-
yland Coastal Bays provided information from high salinity 
and low nutrient load sites, which was generally missing 
from other Chesapeake Bay sites.

Sampling was conducted in a total of 43 areas/tributaries 
of Chesapeake Bay and Maryland Coastal Bays for a total 
number of 348 different sediment–water flux sites. More 
specifically, sediment–water flux measurements were con-
ducted in the upper, mid, and lower sections of the mainstem 
Bay, in most of the major tributary rivers (especially the 
Patuxent, Potomac, Choptank, Chester, and York Rivers), in 
three major sounds (Pocomoke, Tangier, and Eastern Bay), 
in twenty five small tributaries, and in the Maryland por-
tion of the Coastal Bays. To provide descriptions of study 
areas, a summary of selected quantitative metrics have been 
organized for all locations where sediment–water oxygen 
and nutrient flux measurements have been conducted (Sup-
plemental Table S1) and for the time periods when these 
measurements were conducted (Supplemental Table S2). 
General sampling locations are depicted in Fig. 1, and sites 
with longer time series of measurements are shown as color-
coded larger circles. The exact coordinates for all 348 sites 
are provided in the full data set (www.​gonzo.​cbl.​umces.​edu 
and Boynton and Ceballos 2019).

Methods and Materials

Sediment–Water Oxygen and Nutrient Flux 
Measurements

Measurements of sediment–water oxygen (dissolved O2) 
and nutrient (ammonium, NH4; nitrite plus nitrate, NO23; 
soluble reactive phosphate, PO4) fluxes were conducted at a 

total of 348 unique sites (most sites sampled multiple times) 
in Chesapeake Bay and tributary rivers and the Maryland 
Coastal Bays between May 1977 and August 2018 (Fig. 1; 
Supplemental Tables S1 and S2). There are a total of 1746 
sediment–water flux measurements in the data set where all 
fluxes (O2, NH4, NO23, and PO4) and water column and sedi-
ment variables were measured.

Detailed descriptions of sediment sampling and incuba-
tion techniques have been described in a number of reports 
and publications. In situ, diver placed chamber methods were 
used during the early years as described by Cerco (1985). 
More recent shipboard or laboratory incubation approaches 
were described in detail by Cowan and Boynton (1996) and 
further refined by Testa et al. (2022). This approach was 
by far the most frequently used technique (~ 95%). In brief, 
undisturbed sediment cores (~ 30 cm) were obtained using 
a box corer in deeper areas (> 3 m) or a pole corer in shal-
lower areas (< 3 m). A Plexiglas® liner served as the incuba-
tion chamber for sediment cores collected with either coring 
device. Plexiglas® bottom and top plates with gaskets were 
attached to each core chamber with bungee cords to obtain 
a gas tight seal of the chamber. The top plate has portals 
for an oxygen and temperature probe equipped with a stir-
ring motor and rod and the other for tubing used to sample 
and replace the water removed by sampling. In some cases, 
mixing of water in the chambers was accomplished using a 
stirring magnet suspended above the sediment surface in the 
incubation chamber. In all cases, stirring effectively mixed 
the water in the chambers but did not induce sediment re-
suspension (Boynton et al. 2018). At most sites, an addi-
tional incubation chamber was filled with ambient bottom 
water and used as a water column control. All chambers 
were maintained at ambient temperature conditions. In most 
cases, cores were incubated on ship board, while in a few 
cases, sediment cores were transported from the field to a 
laboratory site for incubation. In these cases, air was bub-
bled into the water overlying the cores to avoid O2 depletion, 
and ambient temperature conditions were maintained. The 
time delay between sampling and initiation of incubation 
ranged from 2 to 6 h. In all cases, just prior to beginning 
sediment–water flux measurements, overlying water in each 
core was replaced multiple times with ambient bottom water 
to insure that water quality conditions in the cores closely 
resembled in situ conditions. All cores were placed in a dark-
ened, water-filled incubator held at ambient temperature.

A total of four to five water samples were withdrawn 
from incubation chambers at about 1-h intervals during a 
3- to 4-h incubation period. At hypoxic or anoxic stations, 
the replacement water was bubbled with N2 gas to prevent 
re-oxygenation. Water samples from the incubation cores 
were filtered (Whatman GF/F 2.5-cm diameter, 0.7-μm pore 
size glass-fiber filters) and the filtrate frozen for later labo-
ratory analysis. Sediment–water fluxes of O2 and dissolved 

http://www.gonzo.cbl.umces.edu
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nutrients were computed based on the volumetric rate of 
change in concentrations in sediment cores (corrected for 
blank rates of change) and then converted to areal units 
(mass per area per time) using the volume and area dimen-
sions of the sediment cores used in the incubations. Oxygen 
and nutrient fluxes directed from overlying water to sedi-
ments were reported as negative values; fluxes from sedi-
ments to overlying waters were reported as positive values.

The following methods were used to determine dissolved 
and particulate nutrient concentrations. Ammonium (NH4), 
nitrite plus nitrate (NO23), and soluble reactive phosphorus 
(PO4) were measured using the automated method of EPA 
(1979). Particulate carbon (PC) and particulate nitrogen 
(PN) samples were analyzed using a model 240B Perkin-
Elmer Elemental Analyzer, while particulate phosphorus 
(PP) concentration was obtained by acid digestion of dried 
samples (Aspila et al. 1976). The methods of Strickland and 
Parsons (1972) and Parsons et al. (1984) were followed for 
chlorophyll-a analysis. Prior measurements have indicated 
that particulate nitrogen and carbon pools are almost com-
pletely organic in Chesapeake Bay water and sediments 
(Keefe 1994), thus PN/PC effectively equal PON/POC.

Surficial Sediment and Water Column 
Measurements

At all sampling sites, an additional intact sediment core was 
acquired using one of the sediment coring methods as above 
and was sub-cored to a depth of 1 cm using modified 60-ml 
centrifuge tubes to obtain material for analyses of sediment 
variables. Samples were transferred to pre-washed sample 
containers, frozen on shipboard or at the laboratory, and later 
analyzed for PC, PN, PP, and total and active chlorophyll-a 

concentration using methods listed above. Bottom water 
(and in some cases water column profiles) was sampled for 
temperature, salinity, dissolved oxygen, and the dissolved 
nutrients indicated earlier. During some years, and at some 
sites, PC, PN, PP, and total and active chlorophyll-a con-
centration were also measured in bottom, surface, or at 
additional locations in the water column. In all cases, tem-
perature, salinity, and dissolved oxygen concentrations were 
measured using various types of water quality instruments 
(e.g., YSI Model 6920 or 6600 multi-parameter water quality 
instruments) which were calibrated prior to and after sam-
pling cruises.

Statistical Analyses

Correlation Analyses  Spearman correlation analyses of net 
sediment–water fluxes were conducted versus a selection 
of physical, chemical, and biological variables (Table 1). 
Two-tailed p-values were computed using an asymptotic 
t-approximation. The analyses were conducted using Hmisc 
package in R (Harrell et al. 2016).

Spatial Analyses  Sediment–water flux and water quality 
measurements collected from all areas of the Bay and tribu-
tary rivers were interpolated using block co-Kriging (Pebesma 
2004) to estimate spatial patterns of long-term summer (June–
August) sediment–water flux magnitude between 1977 and 
2016. Water quality measurements were extracted from mul-
tiple sources including the Chesapeake Bay Program long-
term monitoring stations (www.​chesa​peake​bay.​net). A cor-
relative tree analysis was conducted to examine associations 
between each flux measurement and environmental covariates 
(Therneau and Atkinson 2019). Oxygen flux was found to be 

Table 1   Spearman correlation matrix of net sediment-water fluxes 
were estimated with a selection of physical, chemical, and bio-
logical variables to ascertain the primary correlates with sediment-
water fluxes. Due to the large sample size (n ~ 1300), correlation 
between each pair of variables was estimated using all complete 
pairs of observations, and two tailed p-values were computed but not 
reported. The analyses were conducted in using Hmisc package in 
R (Harrell et  al. 2016). Table entries having correlation coefficients 

greater than 0.30 were arbitrarily shown in bold simply to indicate 
relatively higher correlations. Note that O2 flux values were nega-
tive, and thus the positive and negative correlations with depth and 
temperature, respectively, indicated O2 flux was lower and higher 
at greater depths and higher temperatures, respectively. BW refers 
to bottom water and DW refers to dry weight. Sediment-water flux 
units are O2 = μmol O2 m−2 h−1; NH4, NO23, and PO4 = μmol N or P 
m−2 h−1

Variables O2 Flux NH4 Flux PO4 Flux NO23 Flux
 Depth      

(m)
BW Temp 

(oC)
BW       

Salinity
BW NH4 

(��M)
BW PO4 

(��M)
BW NO23 

(��M)
BW O2        

(mg L-1)
POC 

(%DW)
PON 

(%DW)
PP       

(%DW)
TCHLa 

(mg m-2)

O2 Flux - -0.24 0.04 -0.02 0.50 -0.34 0.36 0.35 0.20 -0.09 -0.36 0.05 0.16 -0.12 0.16
NH4 Flux -0.24 - 0.49 -0.23 0.08 0.34 -0.16 0.24 0.21 -0.08 -0.39 0.24 0.31 0.29 0.19
PO4 Flux 0.04 0.49 - -0.02 0.18 0.18 0.04 0.22 0.36 -0.15 -0.40 0.15 0.29 0.25 0.16
NO23 Flux -0.02 -0.23 -0.02 - -0.07 0.11 0.27 -0.28 -0.05 -0.51 0.14 -0.28 -0.13 -0.23 -0.04

 Depth (m) 0.50 0.08 0.18 -0.07 - -0.40 0.39 0.42 0.02 -0.02 -0.42 0.13 0.24 -0.10 0.28
BW Temp (oC) -0.34 0.34 0.18 0.11 -0.40 - -0.13 -0.18 0.22 -0.24 -0.13 -0.03 -0.07 0.04 -0.19

BW Salinity 0.36 -0.16 0.04 0.27 0.39 -0.13 - -0.06 -0.10 -0.61 -0.24 -0.22 0.11 -0.42 0.04
BW NH4 (��M) 0.35 0.24 0.22 -0.28 0.42 -0.18 -0.06 - 0.26 0.19 -0.50 0.27 0.20 0.15 0.24
BW PO4 (��M) 0.20 0.21 0.36 -0.05 0.02 0.22 -0.10 0.26 - -0.01 -0.30 0.09 0.13 0.34 0.05

BW NO23 (��M) -0.09 -0.08 -0.15 -0.51 -0.02 -0.24 -0.61 0.19 -0.01 - 0.26 0.18 -0.15 0.29 0.01
BW O2 (mg L-1) -0.36 -0.39 -0.40 0.14 -0.42 -0.13 -0.24 -0.50 -0.30 0.26 - -0.16 -0.35 -0.09 -0.13

POC (%DW) 0.05 0.24 0.15 -0.28 0.13 -0.03 -0.22 0.27 0.09 0.18 -0.16 - 0.70 0.43 0.17
PON (%DW) 0.16 0.31 0.29 -0.13 0.24 -0.07 0.11 0.20 0.13 -0.15 -0.35 0.70 - 0.45 0.25
PP (%DW) -0.12 0.29 0.25 -0.23 -0.10 0.04 -0.42 0.15 0.34 0.29 -0.09 0.43 0.45 - 0.13

TCHLa (mg m-2) 0.16 0.19 0.16 -0.04 0.28 -0.19 0.04 0.24 0.05 0.01 -0.13 0.17 0.25 0.13 -

http://www.chesapeakebay.net
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associated with bottom oxygen concentration and salinity. 
Ammonium, nitrite plus nitrate, and phosphorus fluxes were 
associated with the corresponding bottom water concentrations 
of those compounds. Each flux measurement was co-located 
with the identified covariates to estimate their joint spatial dis-
tributions. Specifically, a cross-variogram was estimated using 
the Linear Model of Coregionalization (Webster and Oliver 
2007). Block Kriging was then conducted to interpolate the 
flux measurements along the mainstem of the Bay and tribu-
tary rivers where data were available. Kriging standard errors 
were mapped to assess the reliability of the flux estimates (data 
not shown). Areas with sparse sampling were not mapped to 
reduce uncertainty.

General Additive Model Analysis  Generalized additive mod-
els (GAM) were built to generate a predictive framework 
for each sediment–water flux variable using a selection of 
physical, chemical, and biological variables (Table 2) as 
environmental covariates. All environmental covariates 
were included initially as predictors. Variance inflation fac-
tors (VIF) were calculated for each environmental covariate. 
Multi-collinearity was not detected among the covariates 
with maximum VIFs less than 10 (Fox 1997). Thin-plate 
regression splines were built for each covariate, with degrees 
of freedom estimated using the penalized restricted maxi-
mum likelihood method (Wood 2017). Statistical signifi-
cance was estimated using approximate likelihood ratio tests 
based on the χ2 distribution. Backward selection was applied 
to identify a parsimonious model for each flux. Terms that 
were not statistically significant were removed until no addi-
tional terms could be dropped. The model’s predictive per-
formance was measured using adjusted r and residual mean 
square errors. The scaled t-family was used to model the 
heavy-tailed distributions of the flux measurements. Model 
diagnostics were conducted using standardized residuals 
and fitted values of the GAM models. Model results and 
associated analyses are provided in Supplemental Figs. S6 
and S7 and Table S3. We also conducted regression trees 

(CART) and random forests (RF) analyses and found that 
the predictive performances of GAM were comparable to 
those of random forests and exceeded regression tree perfor-
mance (Supplemental Figs. S8 and S9). A brief description 
of CART and RF methods is presented in the Supplemental 
Materials Section D.

Analyses of “New” Versus Recycled N and P  The extensive 
spatial distribution of sediment–water oxygen and nutrient 
flux sites and the availability of TN and TP loading data 
for several tributaries of the Bay and the Maryland Coastal 
Bays made it possible to examine these data sets for patterns 
involving the relative importance of “new” (i.e., watershed 
loads) versus recycled nutrients (from sediments) in these 
systems. Total N and P loads used in this analysis were based 
on Chesapeake Bay Program watershed model simulations 
(Shenk et al. 2012) averaged for the years 1985–2020 and 
included both point and diffuse TN and TP sources. For the 
Maryland Coastal Bays, TN loading estimates were derived 
from the NLM model (Valiela et al. 1997, Brush unpub-
lished data), but no TP estimates were available. The EPA 
Chesapeake Bay Program has defined 92 Bay and Coastal 
Bay segments (Chesapeake Bay Program 2005), and areas 
of these segments were used to transform tributary scale TN 
and TP loads to an average square meter of estuary. Sum-
mer N and P sediment flux estimates were transformed to 
annual flux estimates using ratios derived from a synthesis 
of 10 stations with sufficient measurements to estimate such 
values (Supplemental Section A; Supplemental Figs. S2, S3 
and S4).

Results

Environmental Conditions at Sampling Sites

Surficial sediment and bottom water conditions were 
examined to provide context for later analyses of factors 

Table 2   The selected model and performance metric for each 
flux variable. All factors are statistically significant (p < 0.05). R2

a
 

denotes the adjusted R2 and �̂ the estimated error. The “s” denotes 
thin plate spline modeling non-linear response of flux to each factor, 
and the value in parentheses for each term (i.e., Depth, 3.7) denotes 
the GAM analysis-of-variance degrees of freedom. Terms include 
the following: Depth, water column depth (m); Temp, bottom water 

(BW) temperature (°C); Sal, BW salinity; NH4, BW NH4 (μM); PO4, 
BW PO4 (μM); NO23, BW NO23 (μM); O2, BW O2 (mg L−1); POC, 
sediment particulate organic carbon (%DW); PON, sediment partic-
ulate organic nitrogen (%DW); PP, sediment particulate phosphorus 
(%DW); TCHLa, sediment total chlorophyll-a (mg m−2). More exten-
sive information is provided in Supplemental Table 3

Variable Factors and estimated degrees of freedom R
2

a

�̂

O2 s(Depth,3.7) + s(Temp,3.5) + s(Sal,5.5) + s(PO4,4.4) + s(O2,4.9) + s(PON,2.5) + s(TCHLa,2.9) 0.461 0.69
NH4 s(Depth,3.3) + s(Temp,3) + s(Sal,5.6) + s(NH4,0.8) + s(NO23,2.9) + s(O2,0.9) + s(POC,0.8) + s(PON,4.2) +

s(PP,0.9) + s(TCHLa,2.8)
0.23 200.9

PO4 s(Depth,4.6) + s(Temp,1) + s(Sal,3.7) + s(PO4,4.7) + s(NO23,0.9) + s(O2,5.3) + s(PON,0.7) + s(PP,0.9) 0.255 23.8
NO23 s(Temp,3.6) + s(Sal,5.1) + s(NH4,4.5) + s(PO4,3.6) + s(NO23,7.7) + s(O2,1.3) + s(PON,1) + s(PP,4.9) 0.377 58.9
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influencing sediment–water oxygen and nutrient fluxes. Sed-
iment chlorophyll-a (Chl-a) and sediment particulate carbon 
(PC), phosphorus (PP), and nitrogen (PN) concentrations 
measured across all sites reveal large ranges but a clear cen-
tral tendency for each constituent. Sediment Chl-a content 
in the top 1 cm of sediments ranged from 4 to 540 mg m−2. 
About 13% of measurements exceeded 60 mg m−2, and most 
of these were observed in low to moderate salinity areas 
(Fig. 2a). However, the majority of sediment chlorophyll-a 
measurements ranged from 4 to 40 mg m−2 (75%), similar to 
those reported for other shallow water estuarine and coastal 
systems (Boynton et al. 2018). Sediment PC concentrations 
ranged from 0.03 to 21.7% of sediment dry weight, but 72% 
of all measurements were between 2 and 5% of dry sediment 
weight (Fig. 2b). The extreme value (21.7%) was from an 
area adjacent to tidal marshes. Low PC values (< 1%) were 
associated with higher salinity sites, and high PC values 
(> 5%) were co-located with low salinity (< 5) sites. The 
distribution of sediment PP values differed from both PC and 
PN distributions, where a large percentage of PP measure-
ments in lower salinity sites were among the highest values 
recorded (Fig. 2c). About 51% of all PP measurements were 
between 0.08 and 0.12% of sediment dry weight (the three 
largest bins), while the highest three bins for PC and PN 

represented only 10% of all measured values. The distribu-
tion of sediment PN values was similar to the PC values but 
generally lower by an order of magnitude with lowest values 
(< 0.1%) in the saltier sites and highest values (> 0.5%) in 
the tidal fresh and low salinity sites (Fig. 2d). About 76% of 
all sediment PN values ranged between 0.2 and 0.5% of dry 
sediment weight.

Water column measurements were made over a broad 
range of bottom water temperature, salinity, O2, and dis-
solved nutrient conditions (not shown; Supplemental Fig. 1). 
Bottom water temperatures ranged from 1.0 to 31.4 °C, but 
most measurements (76%) were between 15 and 25 °C and 
in waters having salinities ranging from 0 to 20. A small 
percentage of sediment–water flux measurements were made 
at salinities greater than 20 (~ 9%). Just over 10% of all flux 
measurements were made at bottom water temperatures less 
than 10 °C, so there is a clear emphasis on fluxes occurring 
at higher temperatures (> 15 °C). Bottom water O2 concen-
trations ranged between 0.0 and 519 μM. About 15% of all 
sediment–water flux measurements were made under anaer-
obic or extreme hypoxic conditions (< 31 μM), while an 
additional 23% were conducted at sites experiencing mod-
erate hypoxia (O2 < 150 μM). Bottom water concentrations 
of NH4, NO23, and PO4 ranged between 0.02 and 112 μM, 

Fig. 2   Histograms of sampling station surficial sediment character-
istics including (a)  total chlorophyll-a (mg m−2) and (b)  particulate 
carbon (PC), (c)  particulate phosphorus (PP), and (d)  particulate 
nitrogen (PN) as % dry weight. All samples were collected from the 

top 1 cm of the sediment column. The salinity zones in which meas-
urements were collected are color-coded in each histogram bar. Most 
measurements (> 50%) were collected at sites with salinities between 
1 and 15. The number of samples is indicated above each bar
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0.01 and 207 μM, and 0.02 and 12.8 μM, respectively. Not 
surprisingly, between 20 and 30% of nutrient concentrations 
were very high (e.g., NO23 > 100 μM), reflecting the fact 
that many sampling sites were located in tidal fresh or lower 
salinity zones adjacent to riverine nutrient sources (Fig. 1) 
as well as point sources associated with waste water treat-
ment plant (WWTP) discharges. The Chesapeake Bay and 
tributaries and the Maryland Coastal Bays are quite shallow, 
and this is reflected in the depth distribution of sediment 
flux measurements. Approximately 70% of flux measure-
ments were conducted using samples from depths of less 
than 10 m, while 15% were made in waters greater than 
15-m depth and less than 2% in waters greater than 20 m, 
generally following Bay hypsographic depth distributions 
(Kemp et al. 2005).

Annual Cycle of Sediment–Water Fluxes

Strong seasonal patterns of sediment–water fluxes emerged 
even when sediment–water flux data from all Chesapeake 
Bay and Maryland Coastal Bay sites were combined in 
salinity bins (Fig. 3). In all salinity bins, the magnitude of 

three of the four sediment–water fluxes (PO4, NH4, and O2) 
was greater during the warm portions of the year (Figs. 3a, 
b, and d and Supplemental Fig. 5). Sediment–water fluxes 
of NO23 differed from the other fluxes in several distinc-
tive ways (Fig. 3c). First, NO23 fluxes were generally small, 
being about an order of magnitude lower than NH4 fluxes. 
Second, NO23 fluxes were positive (e.g., directed from sedi-
ments to water) primarily during the cooler portions of the 
year at higher salinity zones of the Bay during which time 
bottom waters were well oxygenated (> 200 μM). Finally, 
NO23 fluxes at low salinity sites were directed from overlying 
waters into sediments (plotted as negative fluxes in Fig. 3) 
and were generally the largest of the NO23 fluxes measured.

Overall, the magnitudes of sediment–water fluxes 
of oxygen and nutrients reported here were larger, or 
much larger, than the mean sediment–water fluxes of O2 
(− 1370 μmol O2 m−2 h −1), NH4 (91 μmol N m−2 h−1), 
NO23 (− 7 μmol N m−2 h−1), and PO4 (11 μmol P m−2 h−1) 
reported for a global-scale synthesis of sediment–water 
oxygen and nutrient exchanges (Boynton et al. 2018) and 
emphasize the general eutrophic condition of many Chesa-
peake Bay zones and tributary rivers.

Fig. 3   Box plots of monthly sediment–water fluxes of (clockwise 
from top left) O2, NH4, PO4, and NO23 organized by salinity zones 
(refer to box color to indicate salinity grouping). Data from all sites 
and sampling dates were used in developing these plots, where the 

top and bottom of the boxes are the 75th and 25th percentiles, respec-
tively, horizontal red lines within boxes are medians, and black cir-
cles are outliers. Vertical dashed lines represent ± 2.7 sigma for a nor-
mal distribution
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Spatial Distribution of Sediment–Water Fluxes

Broad and detailed spatial patterns of sediment–water 
fluxes have not been generally reported for coastal marine 
and estuarine systems because of severely limited spatial 
data (Boynton et al. 2018). There were sufficient sedi-
ment–water flux data collected in the Chesapeake system 
to develop both coarse seasonal-scale distributions based 
on salinity zones (Fig. 3) and more detailed spatial maps 
of summer season sediment–water fluxes (Fig. 4). We  
compared the monthly sediment–water nutrient and oxygen 
fluxes in each salinity region (via Kruskal–Wallis tests) and 
observed differences in the magnitude of monthly mean 
sediment–water fluxes between salinity bins from June 
to August, and for some variables, differences were also 
observed in February (PO4), April–May (NO23, NH4), and 
September–November (O2, NO23, PO4). Sediment–water 
fluxes of O2, NO23, and NH4 were also higher in the tidal 
fresh regions (salinity < 0.5) than regions with salinity  
greater than 15, while PO4 fluxes were highest in the meso-
haline regions (salinity = 5–20).

More spatially detailed distributions of summer season 
(June–August) sediment–water flux magnitude for O2, NH4, 
NO23, and PO4 were developed for the mainstem Bay and 
several major tributary rivers (Fig. 4). All sediment–water 
flux variables exhibited strong spatial patterns. In the case 
of O2 flux, summer values were high in zones of the Bay that 
did not experience hypoxia or anoxia (upper Bay and upper 
tributary rivers) and much lower in hypoxic and anoxic areas 
(e.g., mid-mainstem Bay). NH4 and PO4 flux also tended to 
be large in tributary rivers, as well as in mesohaline regions 
of the Bay where hypoxic or anoxic conditions were often 
present near the sediment surface. The spatial distribution 
of NO23 flux was clearly influenced by the concentration of 
NO23 in the water column with the highest fluxes directed 
into sediments in upper portions of tributary rivers and the 
upper mainstem Bay that are typically NO23-rich. NO23 
fluxes directed from sediments to the water were almost 
always small during the summer seasons and limited to 
areas with non-hypoxic dissolved oxygen conditions in bot-
tom waters (e.g., lower Mainstem Bay, eastern shore). The 
spatially weighted mean summer (June–August) values for 
the combined Bay and tributary system for O2, NH4, NO23, 
and PO4 fluxes were − 960, 255, 3.9, and 20.6 μmol O2, N, 
or P m−2 h−1, respectively.

Sediment–Water Flux Relationships with Environmental 
Variables

A quantitative exploration of relationships between single 
controlling variables and sediment–water fluxes was con-
ducted by developing a correlation matrix (Table 1). The 
large number of observations in the data set resulted in many 

statistically significant results, but virtually all explained 
relatively small fractions of the observed variability. The 
highest Spearman’s ρ values were about 0.7, and others were 
in the range of 0.3 to 0.4. There were some consistent results 
among sediment–water fluxes where, for example, most sed-
iment–water solute fluxes were significantly correlated with 
bottom water O2 concentration. Sediment–water NH4 and 
PO4 fluxes were larger when bottom water O2 concentra-
tions were lower. Sediment consumption of O2 decreased 
as bottom water O2 concentration decreased (Marvin-
DiPasquale and Capone 1998), and sediment–water fluxes 
of NO23 directed from sediments to overlying water tended 
to increase as bottom water O2 concentrations increased. 
Finally, a strong temperature correlation was observed for 
O2 and NH4 fluxes, but was less so for PO4 and NO23 fluxes.

We applied General Additive Models (GAM) to quantify 
the predictive power of key controlling variables on sedi-
ment–water fluxes, as well as several other multivariate, 
non-parametric procedures including CART (or Recursive 
Partitioning and Regression Trees; RPART) and Random 
Forest (CART and Random Forest results are summarized 
in Supplemental Figs. 7 and 8). GAM analyses of all four 
sediment–water fluxes indicated that commonly measured 
environmental variables such as water depth, temperature, 
sediment particulate nutrient content, and bottom water dis-
solved nutrient concentrations were frequent predictors of 
sediment–water flux in the GAM models (Table 2 and Sup-
plemental Table 3). In some cases, the variables selected 
were probably indices of more causative variables, while 
others had direct effects on sediment–water fluxes. Results 
of GAM analyses are summarized as partial effects plots and 
scatter plots relating to predicted versus observed flux values 
in Supplemental Figs. 6 and 7, respectively. The resultant 
adjusted r2 values for the GAM models of the four fluxes 
were 0.46, 0.23, 0.25, and 0.38 for O2, NH4, NO23, and PO4 
fluxes, respectively. Results for CART and Random Forest 
models generally had comparable or lower r2 values (Sup-
plemental Figures S8 and S9).

Interannual Variability at Selected Long‑Term 
Sediment–Water Flux Sites

A subset of the locations we analyzed included 12–17 
consecutive years of sediment–water flux measurements 
during summer (June to August), allowing for investiga-
tions into interannual controls on summer season dis-
solved nitrogen and phosphorus fluxes. We focused on 
six of these locations, including three stations in the 
Patuxent River estuary (i.e., St. Leonard Creek, Broomes 
Island, Marsh Point) and three stations in the mainstem 
Chesapeake Bay or the lower Potomac estuary (Ragged  
Point, Point No Point, R-64; Fig. 5). Interannual variabil-
ity was substantial at these locations, where NH4 fluxes 
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Fig. 4   Long term mean summer 
(June–August) spatial distribu-
tion of sediment–water fluxes of 
O2, NH4, NO23, and PO4 in the 
Chesapeake Bay mainstem and 
several large tributary rivers and 
bays. A divergent color ramp 
was used to highlight posi-
tive and negative flux values, 
where negative fluxes are those 
directed into sediments. Color 
classification was based on the 
natural break (Jenks) algorithm 
in ArcMap 10.4 (ESRI)
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ranged from 100 to 525 μmol N m−2 h−1 in the Patuxent 
and from 100 to 620 μmol N m−2  h−1 in the Potomac, 
NO23 fluxes ranged from 35 to − 90 μmol N m−2 h−1 in 
the Patuxent and from 10 to − 95 μmol N m−2 h−1 in the 
Potomac, and PO4 fluxes ranged from ~ 0–115 μmol P 
m−2 h−1 in the Patuxent and from ~ 0 to 82 μmol P m−2 h−1 
in the Potomac (Fig. 5). We did not find any clear long-
term temporal trends in the fluxes at these sites, despite a 
tendency for higher NH4 and PO4 fluxes in the late 1990s 
and early 2000s in the upper Patuxent (Marsh Point). Cor-
relations of summer (June–August) mean fluxes and local 
conditions suggested variable-specific controlling fac-
tors on interannual variability in sediment–water fluxes, 
where NH4 fluxes were highly correlated with sediment 

particulate nitrogen (PN) concentrations (r = 0.48, n = 77), 
NO23 fluxes were highly correlated with overlying water 
NO23 concentrations (r =  − 0.67, n = 77), and PO4 fluxes 
were highly correlated with overlying water O2 concentra-
tions (r =  − 0.5, n = 77). The variables influencing sedi-
ment–water fluxes in the interannual analysis were similar 
to those identified in the correlation matrix involving the 
entire data set.

We also considered the correlation between summer 
mean (June–August) sediment–water fluxes and both chlo-
rophyll-a in the overlying water and freshwater inputs from 
major rivers (Patuxent, Susquehanna, Potomac). We consid-
ered chlorophyll-a and freshwater inputs both averaged over 
the annual cycle and during several periods in spring and 

Fig. 5   Time-series plots (12 to 17  years) of sediment–water flux 
measurements (NH4, NO23, and PO4) during summer (June to 
August), at six Bay locations, including three stations in the Patuxent 
River estuary (i.e., St. Leonard Creek, Broomes Island, Marsh Point) 
and three stations in the mainstem Chesapeake Bay or the lower 

Potomac estuary (Ragged Point, Point No Point, R-64; Fig. 1). Scat-
ter plots of summer (June–August) mean fluxes versus key water and 
sediment quality conditions are also shown in panels on the right side 
of the figure, where the solid line represents the best-fit regression 
line and the dashed lines are the 95% confidence intervals
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summer (Supplemental Tables S4a, b). In general, we did 
not find many correlations with a p-value less than 0.05, but 
sediment–water PO4

3− fluxes were moderately correlated to 
February to March chlorophyll-a at Marsh Point (r = 0.58, 
n = 14) and Broomes Island (r = 0.56, n = 14) in the Patux-
ent River, and sediment–water O2 fluxes were correlated 
to annual (r = 0.59, n = 11) and January to May (r = 0.54, 
n = 11) chlorophyll-a at Point No Point. Seasonal metrics of 
river flow were correlated to mean summer fluxes, with dif-
ferences across stations and constituents. Riverine inflows 
during winter-spring were correlated with O2 fluxes at R-64 
and Point No Point in the mainstem Chesapeake, Ragged 
Point in the Potomac, and Marsh Point and Broomes Island 
in the Patuxent River (see Fig. 1). PO4 and NO23

− fluxes 
were significantly correlated to riverine inflows at Broomes 
Island, while PO4 and NH4 fluxes were significantly corre-
lated to riverine inflows at Point No Point and Marsh Point.

“New” Versus N and P Recycled from Sediments

Our analysis of the relative importance of “new” (i.e., 
watershed loads) nutrients versus those recycled from 
sediments across 22 tributaries of the Chesapeake Bay 
revealed (a) differences between N and P, (b) the tendency 
for sediment recycling to exceed watershed loads, and 
(3) long-term changes in the relationship between load 
and sediment recycling. TN loads varied more than two 
orders of magnitude from 8.4 to 1482 μmol N m−2 h−1 
in the Sinepuxent Bay and the Patapsco estuary, respec-
tively (Fig. 6). In a similar fashion, whole system sedi-
ment–water N fluxes varied from 10.19 to 591 μmol 
N m−2 h−1 in Sinepuxent Bay and the Patapsco estuary, 
respectively. TP loads and sediment–water P fluxes also 
exhibited a large range among tributaries (Fig. 6). For 
nitrogen, sediment N recycling was roughly comparable 
to watershed loads in the Coastal Bays, but recycling was 
lower than watershed load in the four low-salinity tribu-
taries of the northern Bay (Bohemia, Elk, Northeast, Sas-
safras; see Fig. 1). For all other tributaries except the most 
heavily loaded systems (e.g., Back, Anacostia), sediment 
N recycling exceeded watershed nutrient loads (Fig. 6). 
In the Back River, where substantial wastewater nitrogen 
load reductions occurred (Testa et al. 2022), sediment 
N recycling declined in tandem with reduced loads. For 
phosphorus, sediment P recycling was more often higher 
than watershed load, including within 6 of the 8 systems 
with low summer dissolved oxygen (Fig. 6). In contrast, 
sediment P recycling was lower than watershed load for ~ 7 
systems, including the low-salinity Anacostia and North-
east Rivers and high-load Patapsco (Fig. 6). Despite sub-
stantial P load reductions in the Back River, sediment P 
recycling exceeded loads in 4 of the 6 periods where data 
were available.

Discussion

Our synthesis of sediment–water nutrient and oxygen 
exchanges in Chesapeake Bay and the Maryland Coastal 
Bays builds upon recent global syntheses (Boynton et al. 
2018) and assessments of long-term changes in sedi-
ment–water fluxes in response to watershed nutrient load 
reductions (Taylor et al. 2011; Testa et al. 2022). Few, if any, 
comparable sediment–water flux data sets exist for a single 
estuary globally, and our analysis reveals that high spatial 
variability in sediment–water fluxes results from spatial and 
seasonal differences in water column conditions and local 
rates of organic matter accumulation in sediments. Assess-
ments of multi-decade time series at select stations reinforce 
the interaction between sediment organic matter and water 
column chemistry and emphasize that sediment–water fluxes 
and the conditions that control them can vary substantially 
in estuaries over time. Sediment–water fluxes of PO4 and 
O2 (and to a lesser extent NH4) were positively correlated 
to interannual variability in external inputs of freshwater 
(Supplemental Table 4a), but perhaps more importantly, the 
magnitude of sediment–water nutrient regeneration relative 
to external nutrient loads is substantial, varied across sub-
systems, and was different for nitrogen versus phosphorus 
(Fig. 6). Below, we discuss these primary conclusions of our 
synthesis in more detail.

Decade‑Scale Trends in Sediment–Water Fluxes 
at Selected Locations

Estuarine and lake ecosystems are typically responsive to inter-
annual variations in freshwater inputs and the nutrient loads 
associated with these freshwater inputs (e.g., Vollenweider 
1976; Nixon 1988). As a consequence, water column nutrient 
concentrations and phytoplankton biomass vary substantially 
from year to year, supporting a rich literature associated with 
natural climatic fluctuations that influence riverine discharges 
and phytoplankton communities (Harding et al. 2015; Cloern 
et al. 2014), changes in watershed nutrient inputs associated 
with watershed management (Kubo et al. 2019), and dramatic 
alterations to grazer communities (Petersen et al. 2008). In 
contrast, studies investigating interannual variations in sedi-
ment–water nutrient and oxygen exchanges are relatively rare, 
leading to gaps in our understanding of this process. This 
gap is particularly relevant for eutrophication science, given 
assertions that sediments preserve a legacy of past nutrient 
enrichment (e.g., Walve et al. 2018; Kubo et al 2019), that 
could dampen interannual variability by releasing nutrients 
accumulated over several years or decades.

In the few cases where long-enough time series of sedi-
ment–water nutrient flux measurements were made to assess 
long-term changes, a background of interannual variability 
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was evident within clear long-term declines in sediment 
oxygen uptake and nutrient release (Tucker et  al. 2014; 
Foster and Fulweiler 2014; Testa et al. 2022). Tucker et al. 

(2014) reported a strong and apparently linear reduction of 
sediment–water NH4 flux magnitude in Boston Harbor in 
response to large nitrogen load reductions from wastewater 

Fig. 6   Scatter plots relating 
watershed-model-derived mean 
annual TN and TP loads (± SD 
of long-term data) in selected 
Bay tributaries versus estimates 
of annual sediment–water 
NH4 or PO4 fluxes (± SE of 
spatially weighted means). The 
color of symbols represents the 
minimum summer dissolved 
oxygen concentration measured 
at the site. The Back River 
estuary is highlighted, where six 
independent years (1994, 1995, 
1997, 2014–2015, 2018) of 
data are included over a period 
when substantial point source 
load reductions occurred. The 
Maryland Coastal Bays are only 
included in the top panel (TN), 
as no TP loads are available 
for these systems. The “Low-
Salinity, North Bay” sites have 
low NH4 fluxes per TN load, and 
these sites are located in eastern 
tributaries of the north part of 
the Bay. Note the x-axis is on a 
log scale to aid in illustration of 
the data



369Estuaries and Coasts (2023) 46:356–375	

1 3

treatment plants (WWTPs). Testa et al. (2022) also reported 
a fivefold reduction in TN loading from a major WWTP in 
Baltimore, Maryland, USA, and this load decline was asso-
ciated with a fivefold reduction in sediment–water NH4 flux 
during the 1994–2017 period (see also Fig. 6). In the Back 
River, the magnitude of NH4 flux per unit nitrogen load was 
smaller than what we found for the subset of Chesapeake 
Bay systems (Fig. 6), which may be related to the fact that 
in the Back River (and in Boston Harbor), bottom waters 
were not subjected to hypoxic conditions because of tidal-
induced mixing (Boston Harbor) or because of very shallow 
depths and effective wind and tidal mixing (Back River). 
While Tucker et al. (2014) and Testa et al. (2022) reported 
very little temporal lag between nutrient load reductions and 
subsequent reductions in sediment–water NH4 flux in Boston 
Harbor and the Back River (respectively), other studies have 
reported continued internal phosphorus generation for several 
years to a decade after major nutrient reductions (Conley 
et al. 2002, 2009; Walve et al. 2018; Kubo et al. 2019).

We analyzed data from six stations where at least a decade 
of sediment–water flux observations were made and deter-
mined that high interannual variability was a function of sol-
ute-specific environmental controls. First, the fact that sedi-
ment–water NH4 fluxes were most strongly correlated with 
sediment organic nitrogen (Fig. 5) reinforces the understand-
ing that remineralization is a primary control on potential 
NH4 flux, consistent with an understanding that organic mat-
ter deposition to sediments (a proxy for sediment N content) 
is a dominant control on sediment metabolism (Middelburg 
et al. 1993; Brady et al. 2013). High interannual variability in 
NH4 fluxes (twofold) and the tendency for substantial correla-
tions between riverine inflows and sediment oxygen demand 
(Supplemental Table 4a; Boynton et al. 2018) support the 
notion that sediments are highly responsive to year to year 
variability in conditions. A similar conclusion regarding high 
variability in NO23 fluxes is evident from our analysis, but in 
contrast to NH4 fluxes, NO23 flux is clearly influenced by the 
availability of overlying-water NO23. This reveals a dominant 
control of diffusive inputs of NO23 driven by water–sediment 
concentration gradients and suggests that interannual vari-
ability in water column NO23 concentrations associated with 
watershed nutrient loading or riverine inflows will impact the 
magnitude of sediment NO23 uptake. A key consequence of 
this series of linked processes is that high nutrient loads, and 
thus concentrations, will drive NO23 diffusion into sediment 
to support high rates of denitrification (Stӕhr et al. 2017). 
Finally, the correlation between PO4 fluxes and water column 
dissolved oxygen at the stations we analyzed adds to the sub-
stantial literature relating oxygen depletion to enhance sedi-
ment–water P release (e.g., Sundby et al. 1992; Conley et al. 
2009; Faganeli and Ogrinc 2009; Murrell and Lehrter 2011). 
The emergence of this relationship in a multi-decade time 
series reveals how freshwater inputs can indirectly support 

P recycling through the generation of low-oxygen conditions 
resulting from stratification and nutrient-induced phytoplank-
ton production (Hagy et al. 2004; Laurent et al. 2016).

Statistical Modeling of Sediment–Water Oxygen 
and Nutrient Fluxes

We subjected the sediment flux data set to several types of 
statistical analyses in efforts to better evaluate the utility 
of using routinely measured environmental conditions to 
better understand the magnitude and direction of measured 
sediment fluxes. Many of the key environmental factors that 
explained variations in fluxes suggest both direct and indi-
rect effects. For example, depth probably acted as an index 
of both (a) dissolved oxygen stress because persistent low 
O2 conditions were more common in deeper areas of the 
Bay and (b) organic matter availability which declines as 
depth increases (Kemp et al. 1992). Similarly, salinity acted 
to serve as a proxy for location along estuarine gradients (as 
opposed to a direct effect), where organic enrichment and 
nutrient concentrations were highest in low-salinity regions. 
Temperature and nutrient concentrations (e.g., NO23 con-
centration) had more direct biogeochemical effects on flux 
magnitude and, in some cases, flux direction. It appears, 
however, that the statistical models considered here did not 
explain large amounts of sediment–water flux variability, 
and we offer several reasons for that result here. First, several 
key environmental variables were simply not available for 
this analysis including the rate and quality of organic matter 
deposition to the sediment surface and infaunal biomass and 
composition, both of which likely play important roles in 
shaping sediment–water flux magnitude and temporal char-
acteristics (Rysgaard et al. 1995; Bosch et al. 2015). All 
of the sediment–water nutrient flux variables we examined 
were correlated with one or more surficial sediment N or C 
content, while NH4 and PO4 fluxes were often correlated 
with early spring water column chlorophyll-a (Supplemen-
tal Table 4b). This highlights the importance of organic 
matter deposition in controlling sediment–water flux mag-
nitude (Middelburg et al. 1993), but our data were either 
stock measures (e.g., sediment %N) or indirect measures 
of potential deposition (e.g., spring chlorophyll-a), limiting 
their potential to reflect integrated rates over longer time 
frames. Benthic infaunal organisms play an important role 
in the mixing of sediments and the processing of deposited 
organic material (Norkko et al. 2012), and our measurements 
did not account for the presence, abundance, or biomass of 
these organisms and thus any potential impacts on fluxes. 
High spatial heterogeneity in sediment–water fluxes has 
been associated with gradients of benthic invertebrates and 
diagenesis (e.g., Rafaelli et al. 2003; Mazur et al. 2021). 
Future monitoring programs should consider quantifying 
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benthic invertebrate biomass and indices of organic matter 
input rates alongside sediment–water flux measurements.

This data set also did not lend itself to considering lag 
times between late spring sediment organic matter condi-
tions and summer sediment–water fluxes. It is likely that 
summer sediment–water fluxes respond to previously depos-
ited organic matter or that which is transported horizon-
tally in response to lateral or axial advection (e.g., Wang 
2020). It may be that improved understanding of complex 
sediment–water biogeochemical processes is best achieved 
using simulation models where multiple control factors and 
non-linear interactions can readily be captured and lag times 
can be addressed. Brady et al. (2013) and Testa et al. (2013) 
combined a subset of the sediment–water fluxes presented 
here with a sediment biogeochemical model and were able 
to derive rates of sediment organic matter deposition, reveal-
ing how deposition interacted with overlying oxygen condi-
tions to modulate sediment–water N and P fluxes. Ratmaya 
et al. (2022) reported a strong link between organic matter 
deposition associated with an algal bloom and NH4 fluxes 
over relatively short periods (weeks), while Ait Ballagh et al. 
(2021) revealed spatially varying controls on phosphorus 
cycling and flux by combining benthic observations with a 
diagenetic model. Statistical models that include variables 
representing organic matter availability and overlying water 
conditions have been able to capture sediment–water fluxes 
in other marine environments (e.g., Serpetti et al. 2016), but 
these models cannot be used to test process-based hypoth-
eses. This suggests that multiple factors were involved in 
regulating flux magnitude, that we could not capture non-
linear interactions among the variables that influence fluxes, 
and that our data set was not resolved enough in space and 
time to measure all of the relevant dynamics.

Relative Importance of Sediment Nutrient Recycling 
Versus Inputs of “New” Nutrients

A great deal has been written concerning the general con-
cept of recycling in ecosystems (e.g., Odum 1971; Valiela 
1995; Christian and Thomas 2003). However, differences 
in the relative importance of “new” nutrients (nutrients 
entering a system from an external source; Dugdale and  
Goering 1967) versus recycled nutrients among systems 
with different nutrient loading histories are less well 
understood. In Chesapeake Bay and other river-dominated 
temperate systems, “new” nutrient loads are typically 
large during winter/spring and small during summer/fall, 
except when influenced by tropical storms or hurricanes 
(Davis and Laird 1976). In contrast, rates of phytoplankton 
primary production exhibit the opposite pattern, peaking 
during summer when “new” nutrient sources are small. 
Even on an annual basis, the importance of recycled nutri-
ents in support of primary production rates is clear. For 

example, in the mainstem Chesapeake Bay annual rates 
of phytoplankton production have ranged from about 
350 to almost 800 g C m−2 year−1 (Mihursky et al. 1977; 
Flemer 1970; Taft et al. 1980), and in more recent years, 
values of about 550 g C m −2 year−1 have been reported 
(Kemp et al. 1997; Harding et al. 2002). An estimate of  
both the N and P needed to support the latter level of produc-
tion can be made using Redfield C:N:P proportions for 
phytoplankton growth (Redfield 1934; 106:16:1). Using 
this approach, about 96 g N m−2 year−1 and about 13 g P 
m−2 yr−1 would be needed, values 4 to 12 times larger than 
estimates of annual new N or P inputs to the mainstem Bay 
(24 ± 10.6 g N m−2 year−1 and 1.5 ± 0.6 g P m−2 year−1) and 
much higher than nutrient loads to most coastal and estua-
rine systems (Boynton and Kemp 2008). We are aware of 
the uncertainties and other limitations associated with this 
analysis related to interannual variations in external loads, 
use of an indirect method to estimate phytoplankton nutrient 
demand, and a focus on just the Chesapeake Bay mainstem. 
Thus, our approach here is broad brush rather than detailed 
and is not meant to be comprehensive. However, even with 
the uncertainties associated with this effort, the importance 
of nutrient recycling is clear, with annualized estimates of 
sediment–water N and P fluxes providing 14 g N m−2 year−1 
and 2.3 g P m−2 year−1, which is insufficient to make up for 
the missing demand. Other potential external sources of N 
and P are either small or uncertain (direct atmospheric dep-
osition; Castro et al. 2003, eroding marsh; Su et al. 2020). 
Thus, it is likely that the missing N and P may come from 
water column recycling, which has been reported at high 
rates in Chesapeake Bay (Glibert 1998) and is consistent 
with calculations where water column respiration is a large 
component of mainstem oxygen demand (Li et al. 2016).

We further explored the relative importance of “new” ver-
sus one source of recycled nutrients (sediments) for a subset of 
Chesapeake Bay subsystems and the Maryland Coastal Bays 
(for nitrogen) that share similar attributes including latitudinal 
location, generally shallow depths, modest tidal energies, and 
relatively long water residence times (e.g., Hagy et al. 2000). 
However, these systems span a substantial range in nutrient 
loading rates and degree of hypoxia/anoxia present during 
the warm periods of the year. Scatter plots of annual sedi-
ment NH4 and PO4 flux versus annual TN or TP loads to these 
systems clearly indicate the importance of sediment nutrient 
recycling relative to watershed inputs of new N and P (Fig. 6). 
In the case of nitrogen, 14 of the 23 sites exhibited annual 
sediment–water NH4 flux amounts that exceeded mean annual 
TN inputs. Of the remaining nine sites, annual NH4 recycling 
amounted to greater than 50% of new TN inputs. The four sites 
in the lower left of the diagram (Fig. 6) were all from the Mar-
yland Coastal Bays, which are uniformly shallow, normoxic, 
and high salinity sites with low TN loading rates. It is not clear 
why sediment recycling plays a relatively small role in these 
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systems, but these systems are shallow, and the sediments 
receive sufficient light for photosynthesis (Ganju et al. 2020), 
indicating that benthic algae may sequester nutrients within 
sediments (Sundbäck et al. 2000). Heavily loaded tributaries 
such as the Back and Patapsco Rivers exhibited relatively low 
(< 100%) N recycling versus new TN input signatures. Kelly 
et al. (1985) reported similar patterns based on experimental 
mesocosm nutrient loading experiments (University of Rhode 
Island MERL system) where new inputs dominated the nutri-
ent dynamics at high loading rates. However, we are not aware 
of any previous work reporting this pattern based on a com-
parative analysis of estuarine sites.

The relationship between sediment recycling versus “new” 
TP inputs appeared more complex or at least less obvious. 
Of the 19 sites, 12 had sediment–water PO4 recycling rates 
greater than watershed inputs of TP. All but one of the sites 
with sediment–water PO4 fluxes greater than double the rate of 
watershed TP inputs experienced moderate to severe hypoxia 
(Fig. 6), which would tend to enhance sediment–water PO4 
fluxes (Harris et al. 2015). In contrast, the sediment–water PO4 
fluxes which were small or even negative relative to watershed 
TP inputs were located in low salinity to tidal freshwater zones, 
and the cause of this pattern was likely related to PO4 sorption 
onto iron-rich sediments (Jordan et al. 2008). This comparative 
analysis, while not comprehensive because it focused only on 
Chesapeake and Maryland Coastal Bays sites, indicates that 
both N and P recycling from sediments is a major feature in the 
nutrient dynamics of these systems, that sediment recycling of 
N and P alone often exceeds the magnitude of new inputs of 
TN and TP, that oxygen conditions in bottom waters can influ-
ence the magnitude of sediment recycling, especially for P, and 
that for both N and, to a lesser extent, for P, the relative impor-
tance of sediment–water recycling decreases as external inputs 
of TN and TP increase. However, future improvements in this 
analysis are certainly possible and might lead to further refine-
ments and confidence in understanding of these processes. For 
example, we considered only the sediment recycling of NH4 
rather than all forms of nitrogen. NO23 fluxes were generally 
small relative to NH4 fluxes, and thus ignoring these would 
not strongly influence our general conclusions. There is more 
uncertainty associated with sediment–water dissolved organic 
nitrogen (DON) fluxes which have been rarely measured in 
the Bay (Cowan and Boynton 1996; Boynton et al. 2018). The 
limited available DON data and model estimates suggest that 
DON fluxes are minor (< 5%) relative to inorganic nitrogen 
fluxes (Burdige and Zheng 1998; Clark et al. 2017).

Considerations for Future Monitoring and Management

Upon reflection on the sediment–water flux measurement 
program spanning 40 years, a number of insights, successes, 
and failures have become apparent that may serve as a les-
son for those building or re-assessing similar monitoring 

or research programs. At a conceptual level, we were sur-
prised that the US EPA Chesapeake Bay Program initially 
chose to support monitoring of sediment–water processes 
because most monitoring programs emphasized simpler and 
less expensive measurements of water column and sediment 
stocks or concentrations. Thus, the Chesapeake Bay Program 
was somewhat unique in its early recognition that the issue 
of estuarine cultural eutrophication had been defined as a 
rate process (Nixon 1995). Furthermore, the early develop-
ment and application of simulation models in support of 
water quality restoration programs in the Chesapeake Bay 
clearly indicated the need for quantitative data on the magni-
tude, seasonality, and spatial distribution of sediment–water 
fluxes, and this was one of our central programmatic goals. 
During the development of the Chesapeake Bay water qual-
ity model (Cerco et al. 2010), one of the lead investigators 
referred to the database presented here as the “gold stand-
ard” against which models needed to be judged (D.M. Di 
Toro, pers comm. to W.R. Boynton). More recently, substan-
tial improvements to that model again relied on this data set 
for guidance (Brady et al. 2013; Testa et al. 2013), and we 
expect additional use of this data set as the Bay water quality 
models continue to evolve.

A second programmatic goal was to improve our under-
standing of factors controlling sediment–water flux rates, 
and here we had successes but also some frustrations and 
failures. For example, most sediment–water flux measure-
ments were made during the summer periods when rates 
were typically largest, but we had limited success in relat-
ing summer fluxes to important controlling factors such as 
organic matter supply rate to sediments (e.g., Cowan and 
Boynton 1996). More complete seasonal coverage would 
have been useful coupled with laboratory-based organic mat-
ter enrichment experiments. Examination of benthic infauna 
was not a regular part of these studies due to financial con-
straints, but limited analyses of Chesapeake Bay data and 
many other reports (e.g., Norkko et al. 2012) have indicated 
that benthic macrofauna effects on sediment–water fluxes are 
substantial and will only become more so if bottom water 
dissolved oxygen conditions continue to improve (Bosch 
et al. 2015).

There are exciting opportunities for continued meas-
urements of sediment–water fluxes. Water quality manag-
ers continue to struggle with expectations concerning the 
timing and magnitude of estuarine responses to pollution 
reductions. Recent time-series analyses of sediment–water 
flux responses to substantial nutrient load reductions in a 
small tributary of the Bay indicted rapid (months to a year) 
and linear responses (Testa et al. 2022; see also Fig. 6). 
Continued time-series measurements in areas of the Bay or 
other estuarine systems exposed to different levels of oxy-
gen stress and degrees of enrichment would add to basic 
understanding of both estuarine eutrophication and water 
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quality restoration trajectories. During the early years of our 
work, we were limited to the number of variables that could 
reasonably be measured in a monitoring program, but now 
measurements of sediment denitrification, CO2 and organic 
nitrogen flux, and anaerobic processes can be routinely 
measured and would likely enhance interpretation of water 
quality trends and be useful in further improvements to water 
quality models.

Summary and Conclusions

We analyzed four decades of sediment–water flux meas-
urements of dissolved nutrients and oxygen in a large and 
variable temperate estuarine system. Strong seasonal pat-
terns were observed for all flux variables, but temperature 
only explained a portion of seasonal variations because over-
lying water O2 concentrations and sediment organic content 
were also significant drivers. We can infer from these patterns 
that eutrophication reduction (i.e., elevated oxygen, reduced 
organic matter deposition) will lead to lower sediment–water 
fluxes of all variables we considered. Multivariate statistical 
models based upon local water quality and surficial sediment 
conditions were only partially successful in predicting sedi-
ment flux magnitude, reflecting solute-specific environmen-
tal controls on sediment–water fluxes. Finally, a cross-system 
analysis of the ratio of system-wide sediment–water N and P 
fluxes and external loads underscores the importance of recy-
cled nutrients in support of water column primary production. 
We hope that this analysis stimulates interest in the building 
of comprehensive time series of ecological rate processes, 
like sediment–water fluxes, that allow for mechanism-based 
assessments of eutrophication (and its abatement) and the 
validation of the ever-growing number of numerical models 
used to forecast and quantify processes in the coastal zone.
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