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Abstract
Seagrass meadows are becoming increasingly stressed throughout the world, due to a variety of factors including anthropogenic
nutrient and sediment loading, and extreme climatic events. Here we explore drivers of spatial and temporal community change
over a 7-year period in the York River, Chesapeake Bay, VA. Historically, declines here in the dominant species, Zostera marina,
have been related to a combination of short-term summertime heat stress events and chronically reduced water clarity. We
quantified two temperature-driven Z. marina die-off events that resulted in a community switch from a slower growing, large
climax species (Z. marina) to a faster growing, small pioneer species (Ruppia maritima) the following summer. Of the water
quality variables studied here (water temperature, turbidity, and chlorophyll), water temperature was the only significant factor
related to the monthly change in Z. marina cover. Our model did not find any significant drivers of change for R. maritima,
though it appears to be more related to the abundance of Z. marina rather than changes to water quality. During die-off years,
R. maritima is able to temporarily replace some of the lost Z. marina abundance by expanding its coverage in some areas of the
bed, retreating again once Z. marina begins to recover. The extent of this replacement in terms of habitat quality is not well known
and is an important area for future research, not just for seagrass beds, but for vegetated communities worldwide as their species
composition is altered in response to climate change.
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Introduction

Seagrass meadows are becoming increasingly stressed
throughout the world, due to a variety of factors including
nutrient loading, sediment loading, and extreme climatic
events (Orth et al. 2006; Waycott et al. 2009; Vaudrey et al.
2010; García et al., 2013; Rasheed et al. 2014; Short et al.
2014; Thomson et al. 2015). Seagrasses are foundation spe-
cies that strongly influence their ecosystem structure and func-
tion. Therefore, their global declines are of increasing concern
because they provide food, nursery, and critical habitat for a
variety of species (Jenkins and Wheatley 1998; Nagelkerken

et al. 2001; Kneer et al. 2008) and are important players in
global carbon sequestration (Fourqurean et al., 2012).

Recent research and monitoring have documented large-
scale seagrass declines following extreme climatic events in
which water temperatures were elevated for a relatively short
period of time. For example, seagrasses in Australia experi-
enced an extreme heat wave event in 2010/2011, elevating
water temperatures 2–4 °C above normal for a 10-week period
(Pearce and Feng 2013). Amphibolis antarctica, a temperate
species, experienced large-scale diebacks in response, declin-
ing up to 96% in some areas (Thomson et al. 2015). Two heat
wave events in theMediterranean Seawere linked to declining
shoot abundances in Posidonia oceanica meadows (Marbà
and Duarte 2010) as well as increases in sulfide intrusion into
tissues (García et al. 2013).

Recovery from such events depends on a variety of factors,
including seagrass meadow condition, population structure,
and reproductive capacity (O’Brien et al. 2017). Seagrass spe-
cies composition following declines may shift between slow-
growing high biomass climax species and faster growing low
biomass pioneer species (Duarte 2000; Nowicki et al. 2017).
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For example, Short et al. (2014) reported species shifts in
several areas across the world in response to nutrient loading
and increased sedimentation, in which recovery was initiated
by pioneer species. Reports of Zostera marina (eelgrass) re-
placement by Ruppia maritima (widgeongrass) in response to
increased water temperatures have occurred in San Diego,
California, during an El Niño Southern Oscillation (ENSO)
period in which daily maximum water temperatures increased
between 1.5 and 2.5 °C (Johnson et al. 2003). During this
period, Z. marina declined and R. maritima expanded into
areas that were previously dominated by Z. marina.

The current distribution of Z. marina in the Chesapeake
Bay is much more limited compared to where it occurred
historically, and the declines from these historical distributions
have been related to chronically reduced water clarity (Orth
and Moore 1983, 1984). More recently, declines have also
been related to short-term summertime heat stress events, as
two heat events in the summer of 2005 and 2010 were linked
to large-scale losses of Z. marina (Moore and Jarvis 2008;
Moore et al. 2014; Lefcheck et al. 2017). Z. marina growing
in this area may be particularly susceptible to these types of
heat stress events, as it is growing near the southern limits of
its distribution (Koch and Orth 2003). R. maritima is a more
transient subdominant species that co-occurs with Z. marina,
and has been reported to have a higher optimum temperature
for its growth (Evans et al. 1986). It therefore has the potential
to expand its distribution in response to increasing water tem-
peratures and declining Z. marina populations (Kandrud

1991; Silberhorn et al. 1996; Cho and Poirrier 2005;
Bologna et al. 2007; Cho et al. 2009; Lopez-Calderon et al.
2010).

In this study, we use 7 years of fixed transect seagrass
monitoring data along with continuous water quality monitor-
ing to address the following research questions: (1) Can we
relate short-term temperature events to seagrass change? (2)
How do these temperature events impact the spatial and tem-
poral relationship between Z. marina and R. maritima percent
cover? Our study involves small-scale, detailed monitoring,
allowing us to track species-specific changes across space
and time, and relate these changes to short-term stressful water
quality events.

Methods

Sampling Sites

Three fixed transects were established at Goodwin Islands
(37° 13′ 1″ N, 76° 23′ 19″ W) in the polyhaline portion of
the York River Estuary, a tributary of the Chesapeake Bay
(Fig. 1). This site is part of the Chesapeake Bay National
Estuarine Research Reserve in VA (CBNERR). The
Goodwin Islands are a 315-ha archipelago of salt-marsh
islands that experience semi-diurnal tides with an average
range of 0.7 m. The subtidal flats surrounding the islands have

Fig. 1 Map of the Chesapeake
Bay with an inset of Goodwin
Islands showing the 2016
seagrass coverage in green, the
three fixed transects (GI-1, GI-2,
GI-3), and the water quality
station (GI-WQ)
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supported seagrass beds for at least the last 80 years (Orth and
Moore 1983; Moore et al. 2000; Orth et al. 2010).

Biological Sampling

Three permanent transects were established in 2004 as part of
the National Estuarine Research Reserve System-Wide
Monitoring Program (SWMP). The locations of the transects
were selected based on review of current and historical aerial
photography, in order to be the most representative of the
study area (Moore 2013). For this study, we focus on the
period from 2010 to 2016, when quantitative species-
specific data were available. Data specific to Z. marina have
been previously reported for the years 2004–2011 (Moore
et al. 2014).

Each transect is located perpendicular to shore, and their
lengths vary according to how far from shore the seagrass
beds extend. GI-1 is 130 m, GI-2 is 300 m, and GI-3 is
700 m (Fig. 1). The transects were originally established to
extend just beyond the last observable shoot (Moore 2004).
Sampling was conducted by divers monthly from April to
October each year. Vegetative cover and depth estimates were
assessed every 10 m along the transect for GI-1 and GI-2, and
every 20 m for GI-3. A 0.5-m × 0.5-m quadrat was haphaz-
ardly tossed three times along every sampling location, and
Z. marina and R. maritima percent cover was estimated visu-
ally, following guidelines provided by a seagrass percentage
cover photo guide. Three different observers conducted the
surveys, with one conducting 90% of them. The observers
were trained together to ensure percent cover guidelines were
being adhered to, and sampling bias would remain low. Depth
data were normalized tomean lower lowwater (MLLW) using
tide data from the US NOAA, National Ocean Survey tide
gauge at the US Coast Guard Training Center in Yorktown,
VA (37° 13′ 36″ N, 76° 28′ 42″).

Water Quality Sampling

Water quality was monitored at the CBNERR station at
Goodwin Islands using a YSI 6600 EDS V2 multi-parameter
sonde fixed to a piling located 0.5 m above the bottom (Fig. 1).
The sonde was set up to sample a suite of water quality param-
eters every 15 min, including temperature, turbidity, chloro-
phyll fluorescence, salinity, pH, and dissolved oxygen. The
sonde was deployed continuously from January 2010 through
December 2016. Throughout this sampling period, the sonde
was replaced every 1 to 3 weeks with a freshly calibrated in-
strument. The sondes were calibrated pre-deployment and
checked post-deployment using YSI standard procedures to
ensure sampling integrity. Post retrieval, the sampling results
were also quality assured by experienced technicians.

Data Analyses

All data analyses and figures were produced using RStudio v
3.5.0 (R Studio Team 2016). Percent cover estimates were first
integrated across the entire depth distribution of the transects
to obtain an overall mean for every month sampled. These
transects were established in 2004 to extend to the end of
the grass beds; however over the years, the beds have died
back at the deeper edges, so the integrated mean includes
many areas where grass no longer grows. To get a better idea
of the coverage in areas where grass is currently growing, the
cover data were broken into 10-cm depth bins, in which mean
percent cover was calculated.

In order to analyze if the percent cover for each species was
significantly different across years, we used the month in
which each species was at their maximum percent cover,
and compared them across years using Welch’s one-way
ANOVA, which can be used when groups have unequal var-
iances. TheGames-Howell non-parametric post hoc tests were
conducted after significant overall differences were found,
because this test is more flexible than Tukey’s, as it does not
assume normality or equal variances.

To examine relationships between water quality variables
and change in seagrass, we ran a generalized additive mixed
model (GAMM) using the MGCV package in RStudio.
Additive models can detect non-linear trends, which is often
the case when dealing with the effects of environmental vari-
ables on seagrasses (Olsen et al. 2012; Villazán et al. 2016;
Lefcheck et al. 2017).

We used the following model:

xij ¼ f 1 Temp j

� �
þ f 2 Turb j

� �þ f 3 Chl j
� �

þ f 4 Coverm j−1ð Þ
� �þ Year þ ε

where xij is the relative change in percent cover of seagrass i in
sampling interval j, and the temperature, turbidity, and chlo-
rophyll terms are smoothed functions of their mean during
sampling interval j.Next is a smoothed function of the percent
cover of the other species m during the previous month. Year
was modeled as a random effect.

To evaluate the temperature environment on a finer scale,
we plotted the daily mean water temperatures for the summer
period (June–August). We separated the die-off years (2010
and 2015) from the other (non-die-off) years and added a
reference line showing the 90th percentile threshold for the
non-die-off years, as described in Hobday et al. (2016), in
order to evaluate the magnitude and duration of 2010 and
2015 warming events. We know from previous work that
28 °C has been identified as a critical threshold between plants
being stressed and widespread mortality for Z. marina
(Shields et al. 2018; Carr et al. 2012), so this threshold was
used to calculate the percent time spent above 28 °C for each
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summer sampling interval (June–July and July–August). A
linear model was fit to the relative change in Z. marina percent
cover during these summer intervals as a function of the per-
cent time spent above 28 °C.

Results

During the period of 2010–2016, the percent cover of
Z. marina exhibited seasonal patterns, increasing through the
spring and peaking in May or June before declining through-
out the summer and into the fall (Fig. 2). Two large declines
occurred in Z. marina coverage in 2010 and 2015. In 2010,
integrated mean coverage across the entire transects declined
from 29 to 7% between the June and July sampling periods, a
76% loss. In 2015, coverage declined from 47 to 17%, a 64%
loss, also between the June and July sampling periods. These
losses were relatively higher than other years during this same
period, where other years ranged from a low of 4% in 2016 to
a high of 56% in 2012. During the following year after these
declines, R. maritima was able to surpass Z. marina as the
dominant species by the end of the summer. In 2011, integrat-
ed mean percent cover of R. maritima was 13% in August,
compared with 2% for Z. marina. Similarly in 2016,
R. maritima peaked at 18% in August compared with 9%
for Z. marina. August coverage for R. maritima during the
other years was low, remaining < 5%. This dominance for
R. maritima in 2011 was temporary, however, as after the
2010 decline, Z. marina was able to recover and return to its
pre-die-off coverage in just 4 years, quickly establishing itself
again as the dominant species, while R. maritima coverage
remained < 10% from 2012 to 2015.

When the periods of maximum percent cover were ana-
lyzed across years, Z. marina significantly declined from
2010 to 2011 (p < 0.001; Fig. 3). From 2011 to 2013, coverage

continued to be significantly lower than in 2010, but by 2014,
Z. marina had recovered back to its initial coverage prior to
the 2010 decline. Z. marina peaked in 2015 before again
experiencing a significant decline between 2015 and 2016
(p < 0.001). While Z. marina showed significant declines be-
tween 2010 and 2011, R. maritima significantly increased its
coverage (p < 0.001; Fig. 3). By 2012, R. maritima declined
back to its original coverage, before again increasing between
2015 and 2016 (p < 0.001).

The species distribution along the depth gradient generally
show R. maritima dominating nearshore at the shallower
depths, with Z. marina quickly taking over in the mid to
deeper depths (Fig. 4). Z. marina declines between June and
August of 2010 and 2015 were not limited to shallow or deep
depths, but occurred across every depth bin. Maximum
Z. marina coverage in June 2010 was 43% at depth bins −
40–50 and – 60–70 cm, and these declined to 2% by August.
In 2015, Z. marina’s maximum coverage was 78% at depth
bin – 70–80 cm, and this declined to 7% by August. By
August of the years following these die-off events,
R. maritima became the dominant species across most depth
bins and was no longer limited to just the inshore areas, as it

Fig. 3 Comparison of percent cover across years, using the month of
maximum percent cover (± SE) for every year. Z. marina is on top
(black) and R. maritima is on bottom (gray). The months of maximum
percent cover for Z. marina are 2010: June, 2011:May, 2012: June, 2013:
June, 2014: June, 2015: May, and 2016: June, and for R. maritima are
2010: June, 2011: August, 2012: May, 2013: September, 2014: July,
2015: June, and 2016: August. If bars do not share a letter with each
other, this indicates significant differences among years (p < 0.05)
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was able to expand out to the – 60–70 cm depth bin in August
2016. In 2011 and 2016, following the 2010 and 2015
Z. marina declines, R. maritima’s coverage peaked in
August at 48 and 80%, respectively, in the – 20–30 depth
bin (Fig. 4).

Summary boxplots for water temperature show the highest
median water temperatures for both groups occurred in July,
with median temperatures of 28.2 °C for die-off years and
27.9 °C for all other years (Fig. 5). The biggest differences
between the two groups occurred in June, with die-off years
having a median of 27 °C compared with 25 °C for all other
years. Maximum turbidity occurred in September for die-off
years with a median of 6.7 NTU and in August for all other
years with a median of 5.7 NTU. The largest differences
among the groups occurred in April, with a median turbidity
of 2.5 NTU and 3.9 NTU for die-off years and all other years,
respectively. Both groups had maximum total chlorophyll
concentrations in August, with median values of 7.6 μg l−1

and 7.3 μg l−1 for die-off years and all other years, respective-
ly. Similar to turbidity, the largest differences in total chloro-
phyll occurred in April, where die-off years had a median
concentration of 5.1 μg l-1, and all other years had a median
concentration of 6.2 μg l−1 (Fig. 5).

When examining relationships between water quality var-
iables and seagrass change, the GAMM showed that temper-
ature was a significant predictor for the monthly percent
change in Z. marina cover (p < 0.001), explaining 60% of
the variance. Turbidity (p = 0.15), chlorophyll (p = 0.43), and
the previous month’s percent cover of R. maritima (p = 0.12)
did not emerge as significant predictors. The temperature in-
flection point at which net loss of Z. marina begins to occur
was between 25 and 26 °C (Fig. 6). Our model was not able to
detect significant predictors of monthly change for
R. maritima (temperature (p = 0.51), turbidity (p = 0.11), chlo-
rophyll (p = 0.88), and previous month’s percent cover of
Z. marina (p = 0.97)).
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Daily mean water temperature showed striking differences
when comparing the Z. marina die-off years of 2010 and 2015
with the mean of all other years (Fig. 7). During 2010, daily
mean temperatures rose above the 90th percentile threshold
calculated for all other years (2011–2014, 2016) for 16 con-
secutive days in the second half of June. 2015 temperatures
rose above this threshold for 14 consecutive days during the
same period in June. During this time, the mean temperatures
for 2010 and 2015 were 28.6 °C and 28.1 °C, respectively,
while the mean for all other years was 25.5 °C. The maximum
daily mean temperatures during this June heat event were
30.2 °C and 29.1 °C in 2010 and 2015, respectively, compared
with 26.5 °C for the other years. A significant negative rela-
tionship was found between the monthly percent change in
Z. marina cover during the June–July and July–August sam-
pling periods, and the percent time the temperature was above
28 °C (p < 0.01; r2 = 0.49; Fig. 8). When temperatures were
above 28 °C for greater than 40% of the time, there was at least
a 50% decline in Z. marina coverage.

Discussion

Our study was able to document two Z. marina die-off events,
which resulted in a community switch from a slower growing,
large climax species (Z. marina) to a faster growing, small
pioneer species (R. maritima) the following summer.
Although R. maritima experienced increases in coverage the
years following the Z. marina declines, overall bed coverage
still declined, as R. maritima was able to only replace
Z. marina in the shallower areas of the bed.

The overall monthly change in Z. marina coverage is relat-
ed to water temperature, while the light environment (turbidity
and chlorophyll) did not emerge as a significant predictor of
change. Two June heat events lasting around 2 weeks were
identified as a trigger for the die-off events. While Z. marina
in this area always declines during the stressful summer peri-
od, greater than 50% losses occurred when temperatures were
above 28 °C for longer than 40% of the time.

The switch from a Z. marina dominant bed to a R. maritima
dominant one was temporary, as Z. marinawas able to at least
partially recover, once again becoming the consistently dom-
inant species by year 2 of its recovery. Estimates of the time
frame in which Z. marina can recover after disturbance events
vary, depending on a variety of factors, including severity of
disturbance and environmental conditions for regrowth.
Neckles et al. (2005) studied the effects of commercial
mussel-dragging operations on Z. marina beds in Maine,
USA, modeling the recovery times after the disturbance to
take between 6 and 20+ years, depending on environmental
conditions. On the other hand, Plus et al. (2003) recorded
rapid recolonization of Z. marina following an anoxia die-
off event in the French Mediterranean Sea, as a similar
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biomass was reached only 9 months after seed germination
began. In our study site, the recovery after the die-off event in
2005 was initiated by seeds, with newly germinated seedlings
accounting for > 80% of total shoot density in 2006 (Jarvis
and Moore 2010). Gradual recovery occurred over the next
5 years until the 2010 decline (Moore et al. 2014). In our
study, a similar trajectory was seen after the 2010 decline, in
which gradual recovery occurred over the course of 5 years,
with a return to pre die-off coverage during year 4. Similar to
what happened in 2005, the recovery appears to have been
dominated by sexual reproduction, as reproductive output
was high during 2012–2014, with reproductive shoot densities
reaching 53% of total shoot densities in the spring of 2013
before declining to 11% by 2015 (Shields et al. 2018), which
are more typical densities for this area (Silberhorn et al. 1983;
Johnson et al. 2017).

Z. marina is a temperate species that is vulnerable to ele-
vated water temperatures. This is not only true along the

southern distribution of its range, but in cooler climates as
well. In areas where the absolute temperature may not be
considered stressful, a relative change in temperature above
levels that the plants are adapted to can also have negative
effects (Winters et al. 2011). Elevated water temperatures
cause rates of respiration to exceed photosynthesis, resulting
in a negative carbon balance (Marsh et al. 1986; Moore et al.
1997). Our study found an inflection point between net
Z. marina gain and loss to be between 25 and 26 °C.
Temperatures above 25 °C have previously been identified
as a stressful threshold for this species (Greve et al. 2003;
Reusch et al. 2005). Almost identical inflection points around
26 °C were also detected in two previous studies analyzing
Z. marina declines in the Chesapeake Bay (Lefcheck et al.
2017; Richardson et al. 2018). All of these studies differed
greatly in their time scales and datasets that were used. Our
study used 7 years of monthly data from a small island in a
sub-estuary of the Chesapeake Bay, while Lefcheck et al.
(2017) used 31 years of yearly aerial survey data from the
entire Chesapeake Bay, and Richardson et al. (2018) used
10 years of yearly transect data from 26 sites across the lower
Bay, yet we found almost identical temperature inflection
points.

The timing of the June heat waves identified for both 2010
and 2015 is important, as spring and early summer is the time
when total non-structural carbohydrate reserves peak for
Z. marina in this region, so plants can rely on these stored
reserves to survive the stressful summer (Burke et al. 1996).
Z. marina in our system always experiences net declines dur-
ing the summer sampling periods (June–July and July–
August) due to the mean temperatures always near or exceed-
ing 26 °C, regardless of year. However, some declines were so
extreme that almost all vegetation was lost. Our use of con-
tinuous water quality data coupled with monthly seagrass

Fig. 7 Daily mean water
temperature for the summer
period, comparing the die-off
years of 2010 (black circles) and
2015 (black triangles) with all
other years (gray squares: 2011–
2014, 2016; dashed gray line =
90th percentile threshold). The
black line at the top is highlight-
ing the June heat event for 2010
and 2015
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monitoring allowed for a finer-scale analysis, in which we
identify a negative relationship between the monthly percent
change in Z. marina coverage and the amount of time spent
above 28 °C. When water temperature is greater than 28 °C
for more than 40% of the time, Z. marina declines by more
than 50%. The identification of this relationship is important
as it can be used for future studies, particularly in more con-
trolled greenhouse experiments, where other environmental
factors can be manipulated. It also provides more fine-scale
information relating to these types of short-term stressful
events, rather than relying on longer-term averages.

We know from previous studies that temperature and light
interact in Z. marina, where more light is required at warmer
temperatures to maintain a positive carbon balance (Marsh et al.
1986; Moore et al. 1997; Staehr and Borum 2011). Our model
did not find any significant impact of turbidity or chlorophyll on
the monthly change in Z. marina. Long-term data going back to
1997 actually show an improving light environment, where
average yearly and monthly turbidity has been declining at
Goodwin Islands, and anomalies from the long-term average
show 2010–2016 to be in a period of relatively low turbidities
(https://beckmw.shinyapps.io/swmp_comp/). Our study shows
that this improving light environment was not enough to
combat the temperature stress from these short-term events,
though it is likely a crucial factor in the ability of the beds to
recover back to post die-off abundances. Continuing improve-
ments to water clarity have the potential to alleviate at least
some of the stress from future temperature events.

Along with light, CO2 stimulated photosynthesis may also
serve to alleviate heat stress in Z. marina. CO2 concentrations
are increasing in ocean waters due to anthropogenic increases
in atmospheric CO2. CO2 limitation of photosynthesis is a
major factor contributing to high light requirements in
seagrasses (Beer and Koch 1996; Zimmerman et al. 1997).
Zimmerman et al. (2015) developed a bio-optical model to
examine the interaction of multiple stressors on Z. marina.
They determined that the CO2 increases that are projected
for the next century should stimulate photosynthesis enough
to offset temperature stress in the Chesapeake Bay. Similarly,
through an experiment using outdoor aquaria, Zimmerman
et al. (2017) found the tolerance of Z. marina to elevated water
temperatures increased linearly with CO2 availability. They
reported Z. marina increased survival, growth, size, flowering
shoot production, and accumulated sugars in response to the
elevated CO2. Continued improvements in water clarity
coupled with future increases in CO2 may help Z. marina to
survive in the Chesapeake Bay and other areas around the
world despite a warming climate. However, there are still
many uncertainties, and Z. marina’s fate will depend on many
factors, such as whether or not CO2 rates will keep up with
rates of warming, and sustained water clarity improvements
(Arnold et al. 2017). Additionally, as we have shown here,
even short-term high temperature spikes can be very

problematic for Z. marina survival. The magnitude and dura-
tion of these spikes in temperature, especially in shallowwater
areas, may also increase significantly with a warming climate,
potentially exceeding the capacity of rising CO2 levels to
ameliorate the stress.

Our model did not show any significant drivers of change
for R. maritima. Themonthly change in this species was likely
more related to its interaction with Z. marina rather than any
water quality variables. Following Z. marina declines, it was
able to expand into deeper areas where it was previously ex-
cluded, presumably due to competition. This expansion only
occurred during the first year after the decline, and not the
second, even though Z. marina’s coverage remained low.
Why R. maritima was not able to expand again in the second
year after the 2010 Z. marina decline may be related to its
highly variable seed bank and low seed viability (Strazisar
et al. 2016). The diminished competitive abilities of
Z. marina seedlings compared with vegetative shoots may
also play a role (Greve et al. 2005). R. maritima was likely
competing with Z. marina seedlings the year following the
die-off event, while competing with both seedlings and vege-
tative shoots in 2012 as the bed continued to recover. This
interaction between Z. marina and R. maritima has proved
difficult to model, however, since the relationship changes
depending on die-off vs. non-die-off years. During the 2010
and 2015 die-off years, both species peaked in early summer
and declined to near absence by the end of the growing sea-
son. It may be that R. maritima declines along with Z. marina
immediately following the temperature events not because it is
stressed by the warm temperatures, but because of the nega-
tive impacts of the decomposing wrack of Z. marina follow-
ing its die-off (Thomson et al. 2015). This rapid accumulation
of dead plant material likely has impacts on both the light and
sediment environment, making an inhospitable habitat for
R. maritima survival (Homer and Bondgaard 2001; Borum
et al. 2005). Another difficulty in modeling R. maritima is
its lag in response. It does not expand until the year following
the declines (2011 and 2016), and during those years, there is a
staggered response, with Z. marina peaking in early summer
and R. maritima in late summer.

The ability of Z. marina to rapidly recover over the
course of 3–5 years following these die-off events pro-
vides hope for the future of these critical habitats.
Additionally, during die-off years, R. maritima is able to
temporarily replace some of the lost Z. marina abundance
by expanding its coverage into areas where it previously
did not exist. This temporary replacement may be critical
in filling the role of a productive seagrass habitat rather
than a less productive bare sediment habitat, though the
extent of this replacement role is not well known and is
certainly an important area of future research. The de-
tailed analysis of seagrass community change we have
documented here is an important example that highlights
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the potential resilience of seagrass communities world-
wide to anthropogenic and climate-related stressors.
Recovery and community adaptation can occur after even
severe diebacks, given adequate time and environmental
improvement.
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