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Abstract
Purpose  River impoundments disrupt natural water flow patterns and sediment distribution throughout the impacted reach, 
which often results in a damaging effect on aquatic ecosystems. Dam removal can release sediments that may contain fugi-
tive agricultural nutrients and organochlorine pesticide residues (OCPRs).
Methods  Sediment samples from an impoundment on the Oostanaula Creek (HUC 03,565,432) in Athens, Tennessee, were 
obtained, as were surface soil samples from the agricultural watershed. A subset of cores were used for simulated weather-
ing, and all samples were extracted and analyzed for nutrients and OCPRs.
Results  The impoundment sediments tested low in P and K, but sediment pore water contained elevated concentrations of 
NO3, NH4, and SO4 relative to reservoir water. Endrin aldehyde and p,p’-DDD were commonly detected in sediment and 
soil, while aldrin, dieldrin, and p,p’-DDE occurred in a smaller number of samples. When detected, dieldrin and endrin 
aldehyde frequently exceeded the threshold effect concentration (TEC), but never exceeded the probable effect concentration 
(PEC) in the sediment samples; p,p’-DDD always exceeded TEC and exceeded PEC in 49% of the sediment samples. The 
concentrations of NO3 and NH4 in the weathered sediment leachates were similar to those in the reservoir water, and NH4 
became the dominant cation in leachates at the conclusion of simulated weathering. Weathering decreased sediment p,p’-
DDD concentrations to less than the PEC; however, the concentrations of other OCPRs were not influenced.
Conclusion  The dam sediments may have harmful effects on sediment-dwelling organisms and a long-term impact on stream 
reclamation following low-head dam removal.

Keywords  Low-head dams · Contaminated sediments · DDD · DDE · Aldrin · Dieldrin · Endrin aldehyde · Sediment 
quality

1  Introduction

There are more than 91,000 dams in the National Inventory 
of Dams held by the United States Army Corps of Engi-
neers (https://​nid.​sec.​usace.​army.​mil/​ords/). Approximately 
50.6% of these are low-head dams (height < 7.6 m), with an 
estimated tens of thousands of additional low-head dams 
not included in this inventory. Low-head dams are those 

constructed to allow water to flow directly over the entire 
length of the dam structure, are generally 3 to 4.5 m in 
height, and are constructed to raise water levels for industrial 
and municipal water supplies (Tschantz and Wright 2011). A 
typical low-head dam will have a shadow of 1.2 to 4 ha, most 
of which contains a layer of deposited sediment that has the 
potential to be reused as soil amendments in wetland reha-
bilitation projects. For various reasons, such as dredging for 
navigation, regular maintenance, or dam removal projects, 
this deposited sediment may need to be handled or removed 
from the floor of the impoundment.

The presence of a dam represents the current or historic 
need to impound water, often for drinking water reservoirs, 
flood control, or hydroelectric power generation, but also 
the occurrence of man-made influence on natural hydrol-
ogy and associated ecosystems. Since the early 1900s, 

Responsible editor: Jan Schwarzbauer

 *	 Michael E. Essington 
	 messington@utk.edu

1	 Department of Biosystems Engineering & Soil Science, The 
University of Tennessee, 2506 E.J. Chapman Dr. Knoxville, 
Knoxville, TN 37996‑4531, USA

/ Published online: 28 April 2022

Journal of Soils and Sediments (2022) 22:1852–1864

1 3

http://orcid.org/0000-0003-0658-0424
http://orcid.org/0000-0003-3362-3469
http://orcid.org/0000-0003-2715-3990
https://nid.sec.usace.army.mil/ords/
http://crossmark.crossref.org/dialog/?doi=10.1007/s11368-022-03220-0&domain=pdf


there have been documented 1797 dams removed across 
the USA, 69 of those occurred in 2020 alone (American 
Rivers 2021). Over 1200 dams (height over 6 m) in Ten-
nessee create drinking water reservoirs, provide flood con-
trol, and facilitate the generation of hydroelectric power. 
There are thousands of low-head dams under 6 m that are 
not reported to the Tennessee Department of Environ-
ment and Conservation (TDEC) because they fall below 
the regulated height threshold or are used for agriculture 
or otherwise exempt use. Many of these dams no longer 
serve their intended function and have exceeded their 
life expectancy. Removal of low-head dams provides an 
opportunity to restore riparian wetlands for water quality 
improvement; however, the sediment deposits behind dams 
pose a challenge in terms of waste management and water 
quality protection in downstream reaches. The sediment 
has the potential to be reused as soil amendments in wet-
land rehabilitation projects (Lafrenz et al. 2013; Cornwell 
et al. 2020); however, additional information is needed to 
understand the full chemical characteristics of the sedi-
ment, as well as evaluate environmental risks it may pose 
as the physical setting of sediment changes with regard to 
placement in the riverine corridor.

Because of the hydrologic modification induced by dams, 
sediment accumulation behind the structure diminishes the 
available water storage capacity over time. The physical sedi-
ment management concerns and the environmental conse-
quences associated with dam removal are numerous (Hart 
et al. 2002; Tullos et al. 2016). These include dam sediment 
deposit mobilization (Shuman 1995; Pizzuto 2002), water 
flow and retention time alteration (Poff and Hart 2002), shifts 
in nutrient (C, N, and P) budgets (Hillbricht-Ilkowska 1999; 
Margolis et al. 2001), and the release of sediment contami-
nated with organic contaminants (organochlorine pesticides, 
PAHs, and PCBs) and trace metals (Ashley et al. 2006; Evans 
and Gottgens 2007; Cantwell et al. 2014). In agricultural 
watersheds, fertilizer use and manure applications represent 
the primary sources of N and P in aquatic systems. Typically, 
accumulated dam sediments reduce N and P export from 
watersheds through N denitrification and particulate P set-
tling (Stanley and Doyle 2002). Nutrient dynamics following 
dam removal and wetland re-establishment indicate that dam 
sediments leach ammonia and increase the annual N load to 
downstream reaches, while acting as a P sink (Ahearn and 
Dahlgren 2005). As reduced dam sediments are exposed and 
become oxidized though dam removal, metals may be mobi-
lized (De Carvalho et al. 1998). As a result, available P may 
be immobilized by binding with mineral surfaces (e.g., iron 
oxides) in the water column (De Groot and Golterman 1993; 
Kleeberg and Heidenreich 2004). This suggests that dam 
sediments may be an efficient soil amendment for increased 
P retention in created wetlands.

Organochlorine pesticides, their residues, and degrada-
tion products (collectively termed organochlorine pesticide 
residues, OCPRs) are chlorinated hydrocarbons that have 
high toxicity, are bio-accumulative, and have long half-lives 
in the environment. The OCPRs include DDT (and metabo-
lites DDE and DDD), dieldrin, aldrin, and endrin. Although 
the use of most OCPRs was banned in the USA in the 1970s 
and 1980s, these substances are still detected in sediments 
derived from agricultural, urban, and mixed-use (agricul-
tural and urban) watersheds (Tate and Heiny 1996; Gilliom 
et al. 2006; Evans and Gottgens 2007; Phillips et al. 2010; 
Wang et al. 2012; Yang et al. 2012, 2015). Correspondingly, 
OCPRs are also detected in agricultural surface soils (Harner 
et al. 1999; Bidleman and Leone 2004; Wan et al. 2005). 
Of the OCPRs, the most frequently detected in sediments 
are p,p’-DDT, p,p’-DDD, p,p’-DDE, and dieldrin (Yang 
et al. 2012). Studies that examine OCPR and other organic 
contaminant redistribution following dam removal indicate 
that impact on downstream reaches may be minimal. Evans 
and Gottgens (2007) opined that dam removal would have 
a limited OCPR impact because sediment concentrations 
were less than or equal to those in downstream sediments. 
Davis et al. (2017) demonstrated that low-head dam removal 
decreased OCPR burdens in fish. Ashley et al. (2006) and 
Cantwell et al. (2014) found that organic contaminant con-
centrations (PAHs and PCBs) were not increased in down-
stream sediments following dam removal. However, these 
studies caution that each dam removal project should be 
assessed on a case-by-case basis when evaluating the poten-
tial for contaminated sediment redistribution.

It is crucial to gain an accurate and complete description 
of the existing site conditions behind low-head dams in order 
to reach success measures delineated for dam removal fea-
sibility and wetland re-establishment projects (Doyle et al. 
2003). The objective of this study was to assess the existing 
site conditions behind a low-head dam that has exceeded 
its life expectancy and is no longer providing intended ser-
vices due to sediment accumulations. This study focused 
on (1) describing the nutrient status of the dam sediments, 
and the types and concentrations of OCPRs present from 
legacy use in the agricultural watershed, and (2) examining 
the potential long-term effect of dam removal on sediment 
nutrient and OCPR concentrations using a simulated labora-
tory weathering technique.

2 � Materials and methods

2.1 � Study area and sample collection

The 5.8-m high by 30-m-wide impoundment was constructed 
in 1968 in Valley View Hollow in Athens, Tennessee on 
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Oostanaula Creek (OC), a tributary of the Hiwassee River of 
the Tennessee River Basin and the Ridge and Valley ecore-
gion. The reservoir was originally used as a primary drink-
ing water source for Athens; it now serves as an emergency 
source. The impoundment location is 35.459 N, − 84.574 W 
at an elevation of 276 m, and an average monthly mean flow 
of 38 cfs (1.08 m3 s−1). The reservoir water surface is 4.19 m 
above the original creek channel; the water depth behind 
the impoundment varies between < 0.5 and 1.8 m because 
of sediment deposition. The estimated total volume of sedi-
ment (and sediment–water slurry) behind the impoundment 
is 21,096 m3. The reservoir receives sediment from the upper 
OC watershed, with an area of 55.1 km2 and a primary land 
use distribution of 48.2% evergreen, deciduous, or mixed for-
est; 39.2% pasture or hay; and 11.1% row crop. The soils in 
the upper OC watershed are residuum derived from Quater-
nary cherty clay solution residuum and Ordovician dolomitic 
limestone. The soils in the upper OC include Dewey (fine, 
kaolinitic, thermic Typic Paleudults), Etowah (fine-loamy, 
siliceous, semiactive, thermic Typic Paleudults), Fullerton 
(fine, kaolinitic, thermic Typic Paleudults), and Waynesboro 
series (fine, kaolinitic, thermic Typic Paleudults).

Sampling locations of sediment on the reservoir and sur-
face soil samples in the upper OC watershed are shown in 
Fig. 1. Samples sites were selected to achieve a snapshot of 
characteristics across the spatial extent of the impoundment 

reservoir. Oostanaula Creek flow is impacted for a longitu-
dinal distance of approximately 670-m upstream from the 
impoundment, creating a main stem reservoir as well as a 
small cove formed by a tributary channel from the north 
(Fig. 1). Sample locations were established throughout the 
main stem reservoir, beginning with a station at a distance 
of approximately 6-m upstream of the impoundment. Sam-
ple sites were established at increasing distances moving 
upstream through the reservoir at distances of approximately 
6 m (cores 1, 2, and 3), 38 m (core 4), 76 m (cores 5, 6, and 
7), 152 m (core 10), 305 m (cores 11, 12, and 13), 457 m 
(core 14), and 608 m (core 15) from the impoundment. A 
3-station transect was used at the 6-, 76-, and 305-m sta-
tions to capture possible variability within the channel cross 
section. Two sample locations in the middle of the cove at 
approximately 140 m (core 9) and 164 m (core 8) from the 
impoundment were also established, creating 15 sample 
sites.

A motorized pontoon boat was used to access sample 
sites. The vessel had a relatively shallow displacement zone 
that minimized benthic disturbance in shallow (< 0.5 m) 
water and provided a stable platform to conduct sampling 
through the base of the boat. At each sample site, water 
depth was measured and one sample core was collected. 
Large debris (e.g., logs, sticks, rocks) was carefully cleared 
away from the substrate surface before sample cores were 

Fig. 1   Location map showing the surface soil sampling sites (triangles) in the upper Oostanaula Creek watershed and the sediment core sam-
pling sites (stars and core numbers) in the impoundment in Athens, TN
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collected. A core sample comprised of a continuous vertical 
core of the substrate and water column at the sample location 
at the time of collection. The continuous core was collected 
in such a manner as to maintain the vertical profile of the 
substrate down to refusal depth, which was assumed to be 
the boundary layer of the sediment deposit at the top of the 
natural channel bottom.

Continuous cores were collected using a direct push probe 
(Geoprobe, Salina, KS, USA) with dual-tube tooling and 
3.8-cm diameter acetate liner tubes in 122-cm length sec-
tions. The tooling was advanced into the substrate manually 
with a post-hole driver and with uniform effort until refusal 
was met. Once a tube section was fully driven, the sleeve 
containing the sample was extracted and capped at both ends 
with waterproof adhesive tape. The tooling remained driven 
in the substrate, keeping anything from falling into the exca-
vated hole and minimizing the risk of cross-contamination 
between sample sections. Refusal in combination with an 
observation of tight clay in the base of the tube upon extrac-
tion was used to determine the termination depth of the sam-
ple core. All core sections were labeled and kept in a vertical 
position protected from direct sunlight until transported to 
the laboratory within 24 h.

The intact sediment cores were stored in the laboratory 
under refrigeration at 4 °C until dissected. For dissection, the 
cores were placed in a N2 glovebox and sectioned into 7.5-
cm lengths using a Milwaukee M12 Plastic Pipe Shear. Sedi-
ment samples were then extruded from the sectioned cores 
into glass jars. The pH and redox potential of each water-
saturated core subsample were then determined using a cali-
brated (pH 4 and 7) combination pH electrode (Fisherbrand 
Accumet) and Pt combination redox electrode (Fisherbrand 
Accumet) which was periodically tested for accuracy using 
a + 200 mV oxidation–reduction potential standard solution 
(Ricca Chemical Co., Arlington, TX, USA). The glass jars 
were then sealed, removed from the N2 glovebox, and stored 
under refrigeration at 4 °C. Watershed soil samples were 
collected following the procedure detailed by Huangfu et al. 
(2019). Briefly, the surface of 0 to 2 cm was collected and 
placed into paper bags. The sample locations represented 
forested areas, pasture, and row crop areas. The soil samples 
were air-dried, mixed, and disaggregated using a corundum 
mortar and pestle. The soil was then wet-sieved through a 
53-μm sieve, and the < 53 μm suspension was freeze-dried 
and stored until needed.

2.2 � Sediment extractions

Impoundment water at selected locations was obtained from 
cores prior to dissection. The water samples were filtered 
through 0.45-μm nylon syringe filters and refrigerated until 
analysis. The moisture content of the core samples was 
determined in duplicate by placing a ~ 1-g subsample into 

an aluminum tin. The tins were placed in an oven set to 
105 °C and allowed to dry for 16 h. Once a constant oven-
dry mass was obtained, the wet and oven-dry masses were 
used to calculate the moisture content. To each 20 g, water-
saturated sediment sample (oven-dry basis) was added a suf-
ficient amount of distilled-deionized (DDI) water to obtain a 
1:1 solid-to-solution ratio. The suspensions were placed on a 
platform shaker for 1 h at ambient temperature (20–22 °C); 
then, the solid and solution phases were separated by vac-
uum filtration through Whatman 42 filter paper, then through 
a 0.45-μm nylon syringe filter. These extractions were per-
formed in duplicate. The impoundment sediment–water 
extracts were refrigerated until analysis.

The Mehlich 3 extraction procedure is commonly used 
to assess the nutrient status of soil (Mehlich 1984). Spe-
cifically, it is employed to predict crop response to ferti-
lizer applications. For the Mehlich 3 extraction procedure, 
water-saturated impoundment sediment samples (2.5 g on 
an oven-dry mass basis and threefold replication) were 
extracted in 25 mL of the Mehlich 3-extractant (0.2 M 
CH3COOH–0.25  M NH4NO3–0.015  M NH4F–0.013  M 
HNO3–0.001 M EDTA). Samples were shaken for 5 min 
and then filtered through Whatman 42 filters. The extracts 
were filtered further through 0.45-μm nylon syringe filters, 
and stored under refrigeration for analysis. The sediments 
were also subjected to nitric acid extraction for an estimation 
of the total elemental content and to compare to the metal 
content of watershed soils (Huangfu et al. 2019). Nitric acid 
digestion of the sediments was performed using the proce-
dure of Chang et al. (1984). Sediment samples (3.5 g and in 
triplicate) were placed in 40-mL Pyrex digestion tubes with 
21 mL of 4 M HNO3. The tubes were fitted with glass fun-
nels, placed in a digestion block, and refluxed at 70 °C for 
16 h. After cooling, the suspension volume was brought to 
35 mL with DDI water, mixed, filtered sequentially through 
Whatman 42 filter paper and a 0.45-μm nylon membrane 
filter, and refrigerated for analysis.

2.3 � Simulated weathering

The simulated weathering of impoundment sediment sam-
ples was performed according to the procedure of Essington 
(1991) and Abbott et al. (2001) to examine the potential 
long-term effects of sediment redistribution of chemical 
characteristics. Sediment cores 4, 7, 12, and 13 (Fig. 1) were 
dissected into 15-cm sections. The sediment in each section 
was extruded into a 22.9 cm × 7.6 cm × 14 cm polypropylene 
container (weathering cell). To each weathering cell was 
added a sufficient volume of DDI water to obtain a 1:1 solid-
to-solution ratio. After mixing, the cells were allowed to 
sit undisturbed for 1 h and the pH and redox potential were 
determined. The leachate was then extracted by vacuum fil-
tration through Whatman 42 filter paper and retained for 
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chemical analysis. The solids were returned to their respec-
tive cells and allowed to air dry to a constant mass (approxi-
mately 7 days of drying time). Solid samples were taken for 
OCPR analysis and the saturation-extraction-drying cycle 
was repeated using a volume of DDI water required to obtain 
a 1:1 solid-to-solution ratio. This 7-day cycle was repeated 
8 times; OCPR analysis of the sediments was performed 
during even-numbered weathering cycles.

2.4 � Inorganic analyses

Impoundment sediment and sediment–water extracts were 
analyzed for anions and cations with a Dionex ICS-1100 Ion 
Chromatograph using a Dionex AS11-HC column for anions 
(Cl, NO2, NO3, and SO4) and a CG12A column for cations 
(Na, NH4, K, Mg, and Ca). Phosphate in the pond and sedi-
ment pore waters was determined with a Skalar San +  + Sys-
tem. Sediment total carbon (TC) and total nitrogen (TN) 
were determined using a dry combustion technique with a 
Thermo Electron CN Analyzer. Pond water total carbon was 
measured with a Shimadzu TOC-VCPH Total Organic Car-
bon Analyzer. The HNO3 digestions were analyzed for Al, 
As, Ba, Ca, Cd, Co, Cr, Cu, Fe, K, Li, Mg, Mn, Mo, Na, Ni, 
P, Pb, S, Se, Sr, V, and Zn with a Spectro CIROS inductively 
coupled argon plasma-atomic emission spectrometer (ICP-
AES) using commercially available ICP-AES standards. The 
Mehlich 3 extracts were similarly analyzed for Ca, K, Mg, 
Mn, P, S, Cu, and Zn.

2.5 � Organochlorine analyses

The method for extracting and analyzing OCPRs was modi-
fied from EPA methods 3540 and 8081 (USEPA 1996 and 
2007). Duplicate 3-g subsamples of < 2 mm, air dry sedi-
ment, were placing in a glass extraction vessel (SIMAX, 
100 mL) with 3 g of Na2SO4. A 5 ml volume of acetone was 
added, and the vessels were sealed, placed on a wrist-action 
shaker for 1 h, and then sonified for 20 min. A 10 mL ali-
quot of hexane was then added, the vessels sealed, and the 
shaking and sonification treatment was repeated. The sus-
pensions were left to stand for 16 h at ambient temperature. 
The clear acetone + hexane mixture was removed from the 
sediment and placed into a glass centrifuge tube (50 mL, 
Corex Oak Ridge type). To the remaining sediment, 5 mL of 
hexane was added and the shaking and sonification treatment 
was repeated. The mixture was allowed to set for 2 h; then, 
the clear hexane was removed and combined with the hex-
ane + acetone extract. The combined solvent extract mixture 
was centrifuged for 3 min to remove suspended sediment. 
The 13–15 mL of the clear solvent extract was removed and 
placed into a 40-mL glass flat-bottom centrifuge vial. To 
this, 1 g of granular Cu was added. The Cu suspension was 
shaken for 30 min to remove sulfur. The Cu additions were 

repeated in 1-g increments until the granules did not turn 
black. The sulfur-free solvent extract was separated from the 
granular Cu and placed in a 20-mL glass vial and the solvent 
evaporated under a constant stream of N2. After evaporat-
ing, the sample was re-dissolved in 2 mL of hexane, then 
filtered through a 0.45-μm nylon syringe filter into a 1.5-mL 
GC–MS auto-sampler vial.

The GC–MS analyses were performed using a Shimadzu 
GCMS QP2010S. A 1 μL aliquot of sample was injected at 
225 °C in splitless mode. The carrier gas was He at a flow 
rate of 0.7 mL min−1. Separation of the OCPRs was per-
formed with an RTx-5 ms Restek 30 m × 0.25 mm × 0.25 μm 
column. The oven temperature was programmed to 140 °C 
with a 0.5 min hold, ramping at 20 °C min−1 to 270 °C and 
a 5 min hold, then to 290 °C at 3 °C min−1 and a 2 min hold, 
and finally to 310 °C at 40 °C min−1 and a 3 min hold. The 
MS detector was operated in the SIM mode with a detec-
tor voltage of 0.1 kV, an ion source temperature of 260 °C, 
and an interface temperature of 300 °C. GSMS instrument 
calibration was performed using a standard mixture of 16 
compounds obtained from Restek (P/N 32,022). The OCPR 
concentrations were determined using external calibration 
curves. The compounds, retention times, and target ion and 
fragment masses are listed in Table S1.

Selected soil and sediment samples were spiked with a 
surrogate standard (3,3’,4,4’,5,5’- hexachlorobiphenyl) to 
account for OCPR recovery. The recoveries ranged between 
70 and 92%, with lower recoveries associated with higher 
organic carbon contents of soils and sediments. Method 
detection limits (MDLs) were determined for a select 
number of OCPRs. A hexane sample containing 4 μg L−1 
aldrin and 8 μg L−1 p,p’-DDE, p,p’-DDD, and endrin alde-
hyde was prepared. This solution was analyzed 7 times by 
GC–MS using the procedure described above. The MDL 
values were determined by multiplying the standard devia-
tion of the replicate analyses with the one-tailed t statistic 
for the 99% confidence interval. The 95% confidence interval 
about the MDL was derived according to the chi-square over 
degrees of freedom distribution. The MDLs ranged from 1.8 
to 2.6 μg L−1 (1.6 to 2.3 μg kg−1) with a lower confidence 
limit of 1.2 μg L−1 (1.0 μg kg−1) and an upper confidence 
limit of 5.8 μg L−1 (5.2 μg kg−1).

3 � Results and discussion

3.1 � Impoundment water and sediment pore water 
analysis

Each core sample was represented by three components: 
ponded water that overlain the sediment deposit, the pore 
water within the sediment deposit, and the impounded sedi-
ment. The impounded and pore waters were analyzed for 
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common inorganic constituents (Table 1). Sediment pH 
(6.61) was lower than that of the reservoir water (7.69). A 
majority of the samples were suboxic (14 > pe + pH > 9; O2 
is depleted) to anoxic (pe + pH < 9; FeIII and MnV reduc-
tion occurs) (Fig. S1). Within the cores, the redox status did 
not vary with depth (Fig. S2). However, the redox status of 
core samples close to the dam, and those in the cove area, 
was generally poised by the FeII/FeIII couple (pe + pH ~ 9), 
whereas the redox status of cores at greater distances from 
the dam was more oxidized (near the oxic/suboxic border) 
(Fig. 2). The reservoir and sediment pore water chemis-
try were unremarkable and generally consistent with the 
medians and ranges of freshwater compositions (Davies 

and DeWiest 1966; Bowen 1979) (Table 1). The reservoir 
water chemistry was dominated by calcium and carbonate 
and controlled by calcite dissolution (Fig. S3). However, the 
sediment pore water was dominated by calcium and sulfate. 
Pore water also contained significantly higher concentrations 
of NH4-N, NO3-N, and SO4-S relative to the reservoir water 
(mean values of 5.82 vs. 2.98 mg L−1 for NH4-N; 6.56 vs. 
0.91 mg L−1 for NO3-N; 84.2 vs. 0.19 mg L−1 for SO4-S), 
which may be associated with the degradation of organic 
matter in the sediment.

3.2 � Inorganic impoundment sediment analysis

The HNO3-extractable elemental composition of the 
impounded sediments is similar to that of upper Oostanaula 
watershed soil and other soils in the region (Huangfu et al. 
2019) (Table 2). Anoxic environments are commonly devoid 
of FeIII and MnV oxyhydroxides, which are scavengers for 
fugitive nutrients and other pollutants. The particularly low 
Fe content of the sediments relative to the surface soils indi-
cates that FeIII oxyhydroxides have been reduced to soluble 
FeII in the suboxic/anoxic sediments. On average, Fe in the 
sediments was 1.44 g kg−1, compared to 22.2 g kg−1 in the 
watershed surface soils. Manganese concentrations were 
also significantly lower in the sediment; 1.06 g kg−1 com-
pared to 1.55 g kg−1 in watershed soils. Correspondingly, 
significantly lower concentrations of elements that may 
associate with FeIII and MnV oxyhydroxides also displayed 
lower sediment concentrations relative to watershed soils, 
including, P, Co, and Cu.

The median soil test (Mehlich 3) levels of P and K were 
low (Duncan et al. 2019), indicating that the establishment 
of vegetation on sediments after dam removal would be 
difficult without fertilizer inputs. For P, 88% of the sedi-
ment samples tested low; for K, 83% tested low. Total car-
bon (TC) concentrations in the pond sediment ranged from 
below detection to 54 g kg−1 (Table 2). Total nitrogen (TN) 
concentrations ranged from below detection to 3.8 g kg−1 
and were highly correlated to TC (r2 = 0.965, P < 0.0001; 
Fig. S4). On average, TN was 7.7% of TC. The higher TC 
(and TN) concentrations were associated with the more 
recently deposited sediments (Fig. S5), as concentrations 
decreased with increasing sediment depth.

3.3 � OCPRs in the upper Oostanaula Creek 
watershed soils and impoundment sediments

There is limited information concerning the historical use 
of organochlorine pesticides in the upper Oostanaula water-
shed. Of the OCPRs examined (Table S1), only aldrin, diel-
drin, p,p’-DDD, and endrin aldehyde were detected in water-
shed soils (Table 3). In general, the use of these pesticides 
in production agriculture in the USA and Canada ceased in 

Table 1   The chemical characteristics of reservoir water and sediment 
pore water

a Sediment pore water represents a 1:1 solid-to-solution water extract. 
IQR is the interquartile range (the middle 50% of values)

Reservoir 
water (n = 11)

Sediment pore watera (n = 110)

Property Mean ± SD Median IQR Range

pH 7.69 ± 0.29 6.61 6.30–6.78 5.12–7.85
mg L−1 mg L−1

Ca 57.6 ± 9.4 42.25 19.25–85.92 3.37–177
Mg 17.6 ± 3.0 8.13 5.19–11.95 0.66–28.5
Na 2.24 ± 0.82 1.35 0.89–1.88 0.08–4.69
K 7.24 ± 2.27 2.96 1.55–6.21 0.04–19.0
NH4-N 2.50 ± 2.35 3.94 2.66–5.85 < 0.01–23.8
Cl 4.40 ± 0.59 2.28 1.68–3.14 0.70–56.8
NO2-N 0.07 ± 0.21 0.01  < 0.01–0.03 < 0.01–2.15
NO3-N 0.91 ± 1.32 3.12 0.24–10.38 < 0.01–33.2
SO4-S 0.16 ± 0.14 18.53 5.23–41.0 0.20–125
PO4-P 0.06 ± 0.03 0.13 0.05–0.19 < 0.01–7.51
TC 44.7 ± 7.7

Fig. 2   Redox status of sediment cores as a function of upstream dis-
tance from the dam (oxic, O2 present; suboxic, FeIII present; anoxic, 
FeII present)

1857Journal of Soils and Sediments  (2022) 22:1852–1864

1 3



the early 1970s. Both p,p’-DDD and endrin aldehyde were 
detected in all surface soil samples, with geometric means 
of 24.2 μg kg−1 and 23 9 μg kg−1. Aldrin was detected in 10 
of the 12 samples, and dieldrin in 11, with geometric means 
of 2.4 μg kg−1 and 9.1 μg kg−1. The total concentrations of 
OCPRs (ΣOCPR) in the surface soils ranged from 35.6 to 
151 μg kg−1, with a mean of 77.7 μg kg−1 (± 31.0 SD) and a 
median of 81.0 μg kg−1 (55.4–87.8 IQR). The concentrations 
of the detected OCPRs were not correlated with the current 
agronomic practices in the watershed.

The occurrence of the four OCPRs represents their past 
use or the past use of their parent compounds, in the upper 
Oostanaula watershed. Both aldrin and dieldrin were com-
monly used in corn production. While aldrin use was concen-
trated in the Midwestern U.S., dieldrin was used in the South-
ern U.S. in tobacco and cotton production (Jorgenson 2001). 
Dieldrin is also an alteration product of aldrin. Dieldrin has 
been a frequently detected OCPR in North American surface 
soils. Szeto and Price (1991) reported the sum and aldrin and 
dieldrin concentrations to range from 104 to 1280 μg kg−1 

in muck soils, with mean aldrin and dieldrin levels of 78 
and 692 μg kg−1 (these compounds were not detected in 
mineral soils). Meijer et al. (2003) reported 640 μg kg−1 
(± 27 μg kg−1) and 9.3 μg kg−1 (± 1.2 μg kg−1) dieldrin and 
aldrin in muck soils, and 29 μg kg−1 (± 3.1 μg kg−1), and 
0.54 μg kg−1 (± 0.046 μg kg−1) in mineral soils. Wan et al. 
(2005) also found aldrin in muck soils, with a mean con-
centration of 30 μg kg−1, but not in mineral soils. However, 
dieldrin was detected in both mineral and muck soils, with 
a mean concentration of 450 μg kg−1 and a range of < 20 
to 2310 μg kg−1. Residual dieldrin concentrations in South-
ern U.S. soils reportedly range from < 0.02 to 23.8 μg kg−1 
(Harner et al. 1999; Bidleman and Leone 2004), with higher 
concentrations (0.12 to 4246 μg kg−1) observed in Midwest-
ern U.S. soils (Aigner et al. 1998). Endrin aldehyde is an 
alteration product of endrin (primarily used as an insecticide 
in tobacco and cotton production) and was never commer-
cially manufactured for use as a pesticide (ATSDR 2021). 
The occurrence of endrin aldehyde residues in soils is not 
well documented. The parent compound, endrin, has been 

Table 2   The chemical 
characteristics of reservoir 
sediments and surface 
soils within the Oostanaula 
watershed. Surface soil 
elemental concentrations were 
obtained from Huangfu et al. 
(2019)

a For each HNO3-extractable element, the means followed by the same letter are not significantly different 
at P = 0.05
b IQR, interquartile range (the middle 50% of values)
c Low soil test report value indicating that deficiency symptoms may occur if the nutrient is not applied 
(Duncan et al. 2019)

HNO3 extractablea Mehlich 3

Sediment (n = 67) Soil (n = 54) Sediment (n = 110)

Element Mean ± Stdev Mean ± Stdev Median IQRb Range

g kg−1 mg kg−1

Al 11.5 ± 5.89a 14.8 ± 3.70b
Ca 1.56 ± 0.76a 2.87 ± 5.20a 508 312–1403 135–2520
Fe 1.44 ± 6.11a 22.2 ± 6.14b
K 0.94 ± 0.77a 1.07 ± 0.39a 41.5Lc 30.3–55.5 3.54–339
Mg 0.99 ± 0.57a 1.10 ± 0.82a 130 105–177 52.5–301
Mn 1.06 ± 0.92a 1.55 ± 0.96b 112 46.9–229 < 0.1–567
P 0.45 ± 0.27a 0.79 ± 0.50b 0.45Lc  < 0.1–5.3 < 0.1–44.2
S 0.27 ± 0.21a 0.20 ± 0.14b 27.9 7.1–86.1 1.0–750

mg kg−1

Ba 137 ± 107a 112 ± 57a
Co 4.73 ± 5.79a 13.8 ± 4.70b
Cr 12.4 ± 4.12a 12.7 ± 3.10a
Cu 11.5 ± 11.58a 22.8 ± 18.5b 1.07 0.39–1.85 < 0.1–35.3
Pb 21.1 ± 6.43 –
V 11.1 ± 7.98 –
Zn 82.5 ± 39.41a 62.9 ± 29.3b 6.73 1.43–20.0 < 0.1–48.9
Sediment total carbon and nitrogen

Mean ± Stdev Median IQR Range
g kg−1

TC 15.02 ± 13.10 10.32 4.79–22.15  < 0.01–54.02
TN 1.23 ± 0.97 0.90 0.45–1.87  < 0.01–3.81
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detected in high organic matter (muck) in Canadian soils. 
Mean endrin concentrations of 45 μg kg−1 (± 0.94 μg kg−1) 
were detected by Meijer et al. (2003) and Wan et al. (2005) 
found endrin to range from < 20 to 110 μg kg−1, with a mean 
of 70 μg kg−1. However, endrin concentrations in mineral 
soils were below detection. The use of DDT was extensive in 
production agriculture to control insects until it was banned 
in the USA in 1972 (Mansouri et al. 2017). The occurrence 
of the metabolite p,p’-DDD may be an artifact of DDT use 
in the Oostanaula watershed, although DDD was formulated 
and applied in the USA as a pesticide (ATSDR 2019). Com-
monly, DDT and DDE are detected in surface soil samples 
with DDD. However, only p,p’-DDD was detected in the 
Oostanaula watershed soils. Generally, p,p’-DDD is more 
prevalent in high organic matter soils, ranging from below 
detection to 6000 μg kg−1 (Szeto and Price 1991; Meijer et al. 
2003; Wan et al. 2005). Concentrations of p,p’-DDD range 
from < 0.1 to 12.2 μg kg−1 in Southeastern U.S. soils (Harner 
et al. 1999; Bidleman and Leone 2004) and up to 460 μg kg−1 
in Midwestern U.S. soils (Aigner et al. 1998).

In the impoundment sediments, p,p’-DDD and endrin 
aldehyde were frequently detected, while aldrin and diel-
drin exceeded detection levels in a smaller number of sam-
ples (Table 3). The percent detection of the OCPRs were 
33% aldrin, 53% dieldrin, 94% endrin aldehyde, and 100% 
p,p’-DDD. The DDT derivative, p,p’-DDE was detected 
in 12 of the 126 sediment samples (9.5% detection), with 
an average concentration of 2.9 μg kg−1 in the 12 samples. 
p,p’-DDD is a direct degradation product of DDT, and a 
dehalogenation product of DDE, in anaerobic environments 
(Huang et al. 2001; Mansouri et al. 2017). This accounts 
for the prevalence of p,p’-DDD in the suboxic pond sedi-
ments. The average concentrations of the two commonly 
detected compounds, p,p’-DDD and endrin aldehyde, were 
33.7 ± 26.2 μg kg−1 and 62.5 ± 47.5 μg kg−1. Endrin alde-
hyde is the dominant OCPR detected in the sediments. The 
frequency distribution of the four OCPRs illustrates that 
aldrin and dieldrin concentrations are skewed towards the 
lower concentration levels, while p,p’-DDD and endrin 
aldehyde are skewed towards higher (Fig. 3). The geomet-
ric mean concentrations of the four OCPRs is 0.39 μg kg−1 
aldrin, 1.62 μg kg−1 dieldrin, 22.9 μg kg−1 p,p’-DDD, and 
39.0 μg kg−1 endrin aldehyde.

The threshold effect concentration (TEC) is a sediment 
quality guideline, which indicates the concentration below 
which adverse effects on aquatic organisms are not expected 
to occur. Adverse effects (incidence of toxicity) on the major-
ity of sediment-dwelling organisms are expected to occur 
frequently when the probable effect concentration (PEC) 
is exceeded for freshwater ecosystems (MacDonald et al. 
2000). The TEC and PEC values for the commonly detected 
OCPRs are shown in Table 3. Dieldrin and endrin aldehyde 
concentrations frequently exceeded TECs (52% for dieldrin; 
91% for endrin aldehyde) but never exceeded the PECs in 
the sediment samples; p,p’-DDD always exceeded TEC and 

Table 3   Statistic distribution of the commonly detected OCPRs in 
upper Oostanaula watershed surface soils and in the Oostanaula 
Creek reservoir sediments (n = 126). Method detection limits, % 
detection in sediment, and sediment quality guidelines for the OCPRs 
are included

MDL method detection limit, TEC consensus-based threshold effect 
concentration, PEC consensus-based probable effect concentration, 
ng no guideline (MacDonald et al. 2000), the TEC and PEC are listed 
for endrin aldehyde are for endrin, IQR interquartile range (the mid-
dle 50% of values)
a p,p’-DDE was detected in 9.5% of the sediment samples at trace levels
b Severe effect level (SEL) (Persaud et al. 1993), the sediment concen-
tration that would be detrimental to the majority of aquatic species. 
This SEL value assumes an average total organic carbon content of 
15 g kg−1 in the reservoir sediments (Table 2)

Compound

Property Aldrin Dieldrin p,p’-DDDa Endrin aldehyde

μg kg−1

MDL 0.2 0.3 4 3
Watershed soils (n = 12)

Mean ± SD 3.89 ± 2.26 15.2 ± 10.5 32.2 ± 23.5 26.3 ± 11.2
Median 4.26 12.6 26.2 25.4
IQR 3.04–5.55 7.9–23.3 11.8–49.7 18.3–34.9
Range  < 0.2–7.17  < 0.3–30.3 7.53–73.7 10.9–44.7

Reservoir sediments (n = 126)
TEC ng 1.90 4.88 2.22
PEC 120b 61.8 28.0 207
% detection 32.5 53.2 100 93.7
Mean ± SD 2.92 ± 5.89 9.91 ± 15.2 33.7 ± 26.2 62.4 ± 47.6
Median  < 0.2 2.73 22.6 54.5
IQR  < 0.2–3.84  < 0.3–17.4 9.58–56.4 24.0–86.3
Range  < 0.2–34.7  < 0.3–96.0 2.7–113  < 3–212

Fig. 3   Frequency distribution of the four commonly detected OCPRs 
in the 126 impoundment core sediment samples (EA, endrin alde-
hyde)
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exceeded PEC in 49% of the core samples. Aldrin does not 
exceed the severe effect level established by Persaud et al. 
(1993) in any of the sediment samples.

The ΣOCPR of the sediments ranged from 21.4 to 
340 μg kg−1, with a mean of 117 μg kg−1 (± 77.4 SD), a geo-
metric mean of 94.7 μg kg−1, and a median of 98.1 μg kg−1 
(54.1–160 IQR). The sediment OCPR concentrations do not 
vary is a function of distance from the dam (Fig. 4). Fur-
thermore, the sediment OCPR concentrations were generally 
not a function of sediment depth, although endrin aldehyde 
and ΣOCPR were found to decrease with increasing depth 
in a small number of cores (Figs. S6–S9). With the excep-
tion of p,p’-DDD, the concentrations of extractable OCPRs 
was also significantly correlated to the total carbon content 
of the sediments, which is consistent with the hydropho-
bic character of the OCPRs and with their high partitioning 
coefficients with organic matter (Fig. S10). Statistically, the 
mean concentrations of aldrin, dieldrin, and p,p’-DDD in the 
sediments were not different than their values in the water-
shed soils. This suggests that the watershed soils may be a 

constant source of sediment OCPRs and that the degradation 
rates of aldrin, dieldrin, and p,p’-DDD do not vary between 
the different environments. However, endrin aldehyde was 
enriched in the sediments relative to the surface soils, as 
was ΣOCPR.

The detection of OCPRs in the Oostanaula Creek 
impoundment sediments is consistent with the findings of 
other studies that analyze aquatic sediments. In a survey of 
more than 230 streambed sediments impacted by agriculture 
in the USA, Gilliom et al. (2006) detected 24 out of 31 tar-
geted OCPRs. DDT and derivatives were frequently detected 
(49% detection of total DDTs), with p,p’-DDD detected in 
31% of the samples. Dieldrin (detected 17% of samples), 
endrin (1.3%), and aldrin (0.8%) were also detected. Sur-
veys that are more recent indicate that OCPRs still persist in 
freshwater sediments. Carriger et al. (2006) analyzed sedi-
ment samples from Florida freshwater canals and identified 
DDD as one of the OCPRs with the highest potential chronic 
risk to arthropods. Wang et al. (2012) examined sediments 
from the Salton Sea area of California for 14 OCPRs. They 
detected OCPRs in all samples, with DDT derivatives and 
dieldrin among those occurring in the greatest concentra-
tions, with DDE frequently exceeding the TEC and PEC 
levels. Yang et al. (2015) examined riverbed sediments in 
Florida and detected 10 of the 20 targeted OCPRs.

3.4 � Simulated weathering

Sediment samples from cores 4 and 7 (57 m from the dam), 
and cores 12 and 13 (305 m from the dam) were grouped 
into the top (0 to 98 cm or 0 to 70 cm in depth) and bottom 
(98 to 194 cm and 70 to 106 cm in depth) segments and 
exposed to eight simulated weathering cycles. During the 
simulated weathering, leachate pH was generally invariant; 
averaging 7.1 (Fig. S11). The redox status of the leachates 
was suboxic during the initial weathering cycles, becoming 
oxidized as weathering progressed. In general, the concen-
trations of common salts in the sediment leachates either 
decreased or did not vary with weathering (Figs. 5 and 
6). The salts with decreasing leachate concentrations with 
weathering were Ca, Mg, SO4, Cl, and NO3. After cycles 4 
and 5, leachate concentrations of Mg, Cl, and NO3 achieved 
constant levels and did not vary with additional leaching. 
The average NO3-N concentration in the cycle 4 through 8 
leachates was 1.5 mg L−1. The leachate concentrations of 
Na, K, PO4, and NH4 (in the deep sediments) generally did 
not vary during weathering. Calcium sulfate was the domi-
nant soluble salt throughout the study. However, increases 
in NH4 concentrations in the shallow sediment leachates 
after cycle 2 were observed, which may be associated with 
the nature and quality of organic residues present. Further-
more, the concentrations of NH4 in the deep sediment lea-
chates exceeded those of Ca near the end of the weathering 

Fig. 4   Sediment OCPR concentrations as a function of distance from 
the dam. Watershed surface soil OCPR concentrations are included 
for reference
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study, a result of the active degradation of sediment organic 
matter. In these systems, NH4 was the dominant cation in 
the cycle 7 and 8 leachates, averaging 2 mg L−1 NH4-N in 
the shallow sediment samples. In the deep sediment lea-
chates, NH4-N averaged 4.8 mg L−1 over all weathering 
cycles. Although both NO3-N and NH4-N are continually 
released during sediment weathering, their concentrations 
in the sediment leachates are statistically similar to those in 
the reservoir water. However, these concentrations exceed 
those documented by TDEC for ambient water quality in the 
upper Oostanaula, which range from 0.04 to 0.07 mg L−1 
NH4-N and 0.10 to 0.43 mg L−1 NO3-N (https://​tdeco​nline.​
tn.​gov/​dwr/, accessed Dec. 2019). Thus, the sediments may 
act as a continual source of N after dam removal (Ahearn 
and Dahlgren 2005).

Analyses were conducted to investigate the stability of 
OCPRs during oxidative weathering (Fig. 7). During the 
8-week simulated weathering study, the sediment concentra-
tions of dieldrin, aldrin, and endrin aldehyde did not signifi-
cantly vary with depth or distance from the impoundment. 
The median concentrations of dieldrin, aldrin, and endrin 
aldehyde for all sediments and all cycles were 8.69 μg kg−1 
(4.67–14.00 μg kg−1 IQR), 1.66 μg kg−1 (< 0.1–5.16 μg kg−1 
IQR), and 29.0 μg kg−1 (12.3–53.2 μg kg−1 IQR). How-
ever, p,p’-DDD concentrations significantly decreased 
from a median of 56.5 μg kg−1 (41.9–67.1 μg kg−1 IQR) for 
cycles 2 and 4 (all sediments), to a median of 15.4 μg kg−1 
(12.6–20.6 μg kg−1 IQR) for cycles 6 and 8 (all sediments). 
Although the cycles 6 and 8 p,p’-DDD concentrations still 
exceed the TEC, they are below the PEC (Table 3). These 

Fig. 5   The concentrations of 
salts in leachates from each 
weathering cycle of the shallow 
(0–98 cm) and deep (98–
194 cm) impoundment sedi-
ments collected 57 m upstream 
of the dam on Oostanaula creek

Fig. 6   The concentrations of salts in leachates from each weathering cycle of the shallow (0–98 cm) and deep (98–194 cm) impoundment sedi-
ments collected 305-m upstream of the dam on Oostanaula creek
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results indicated that there is a potential for the OCPRs to 
have a long-term impact on the reclamation of sediment 
from the low-head dam and that oxidation of the suboxic 
sediments may facilitate p,p’-DDD degradation (ATSDR 
2019).

4 � Conclusions

It is crucial to gain an accurate and complete description of 
the existing site conditions behind low-head dams in order 
to reach success measures delineated for dam removal fea-
sibility and wetland re-establishment projects that utilize 
accumulated dam sediments. This study evaluated the 
nutrient status and the types and concentrations of OCPRs 
in sediments behind a low-head dam that had exceeded its 
life expectancy and was no longer providing the intended 
services due to sediment accumulation. This study also 
examined the potential long-term effect of dam removal on 
sediment nutrients and OCPR concentrations using a sim-
ulated laboratory weathering technique. Dam sediments 
were nutrient (P and K)-poor, but may continually release 
N as NH4 and NO3 during oxidative weathering, with pore 
water concentrations that are similar to those in the reser-
voir water, but greater than those in the upper Oostanaula 
Creek. The watershed soils and dam sediments contain 
OCPRs derived from legacy use in the agricultural water-
shed that ceased approximately 50 years prior. Relative to 
the sediment quality guidelines, the sediments may have 
harmful effects on sediment-dwelling organisms. Dieldrin 
exceeded the TEC in 52% of the sediment samples, while 
endrin aldehyde concentrations exceeded the TEC in 91% 

of samples. The concentrations of these OCPRs never 
exceeded the PECs. The p,p’-DDD concentrations always 
exceeded the TEC and exceeded the PEC in 49% of the 
core samples. With the exception of p,p’-DDD, the oxi-
dation of the sediments during simulated weathering did 
not alter OCPR concentrations. Weathering reduced the 
concentration of p,p’-DDD to below the PEC value. Based 
on the simulated weathering study, there is a potential for 
the persistent OCPRs to have a long-term implications for 
the utilization of the sediment in stream reclamation and 
wetland rehabilitation following low-head dam removal.

Although this was a localized study, the results lead to 
a recommended protocol for assessing existing site condi-
tions and sediment quality in a low-head dam shadow. A 
detailed land use inventory of the contributing watershed, 
identifying the key constituents of concern based on his-
torical land use activities is required. The dam sediment 
deposit volume and the chemical characteristics of the 
potential mobile sediments would then drive the risk eval-
uation associated with the released or reused sediments in 
wetland restoration, and determine the best management 
practices needed to address the identified risks.
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