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Assessing the environmental risk, fractions, and remobilization
of copper and zinc in the sediments of the Jialing River—an
important tributary of the Yangtze River in China
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Abstract
Copper (Cu) and zinc (Zn) are two heavy metal pollutants that pose a serious risk in the Jialing River. Cu and Zn are transported
into the sediment primarily due to the activities of the mining and smelting industries. In this study, we employed the diffusive
gradient in thin films (DGT) technique, sequential extraction, and two assessment methods to evaluate the remobilization,
fractions, and environmental risk in the downstream section of the Jialing River. The total concentrations of Cu and Zn in the
four study areas followed the order S3 > S2 > S4 > S1, and the assessment results indicated that Cu and Zn presented a low
environmental risk in the study area. Cu and Zn were primarily bound to the Fe/Mn oxide fraction (F2) and the residual fraction
(F4). The results of the DGT probe showed a clear vertical distribution of Cu and Zn in the sediment (from 3 to − 12 cm), and both
elements showed obvious increasing trends at the bottom of the probe. The correlation analysis indicated that CDGT-Cu correlated
well with CDGT-Zn (r = 0.834, p < 0.01). The flux results showed that the sediment in the downstream section of the Jialing River
is a major source of Cu and Zn and that there is a potential risk of release to the overlying water. Further analysis found that CDGT-
Fe was negatively correlated with CDGT-Cu and CDGT-Zn, indicating that Fe may influence the remobilization of these metals. In
addition, a hotspot of CDGT-Cu and CDGT-Zn at the bottom of the probe corresponded with a dark area in the AgI gel measuring
CDGT-S. These results indicate that Fe and S are factors that mitigate the release of Cu and Zn from sediments.
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Introduction

Currently, heavy metal pollution in sediments is of great con-
cern due to its toxicity, resistance to degradation, and tenden-
cy to bioaccumulate (Ndiba et al. 2008; Zhang et al. 2014; Yin
and Zhu 2016). Heavy metals may originate from both natural
processes and anthropogenic activities. Natural processes in-
clude rock and soil weathering and erosion, which are gener-
ally very slow processes and generally do not result in sub-
stantial environmental pollution (Dalman et al. 2006).

Conversely, major anthropogenic activities, such as mining,
smelting, municipal wastewater treatment, and urban and ag-
ricultural runoff, can be major sources of environmental pol-
lution (Equeenuddin et al. 2013). Sediment, as an important
component of the aquatic environment, has attracted extensive
attention because it can act as a considerable sink or source of
heavy metals (Akcay et al. 2003; Yin and Zhu 2016).
Sediments can control the transition, behavior, and availability
of trace metals in aquatic environments (Islam et al. 2015;
Fisher-Power et al. 2016). The adsorption affinity for trace
metals typically relies on the geochemical components of sed-
iments, such as organic matter, metal oxides (particularly Fe
andMn oxides), and clay minerals, which have been shown to
be important in trace metal adsorption (Shi et al. 2013; Dang
et al. 2015). If the geochemical properties of the sediment
change (e.g., pH or redox potential) within the aquatic system,
there is a potential environmental risk from the release of
heavy metals from the solid phase into the aqueous phase,
where they are more readily taken up by aquatic organisms
(Simpson et al. 2000; Peng et al. 2009; Zhang et al. 2016).
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Hence, as the occurrence of heavy metals in sediments is a
dynamic process, it is important to find suitable approaches to
study the dynamic release of heavy metals from sediment or
the adsorption of heavy metals to sediments.

The diffusive gradient in thin films (DGT) technique is
recognized as a robust in situ passive tool for predicting the
bioavailability of metals in sediments (Zhang and Davison
1995). Unlike traditional chemical extraction methods, DGT
accounts for the resupply of metals from the solid phase to the
solution phase; therefore, DGT simulates the transmembrane
movement of the elements and has shown a good correlation
with plant uptake (Williams et al. 2009; Warnken et al. 2008).
The technique samples both free and weakly bound elements,
which compose the DGT-labile fraction (Buzier et al. 2014).
A DGT probe can provide a large amount of information,
including the vertical distribution of metals on a fine scale,
the calculation of apparent fluxes, and the mechanism of the
dynamic release of heavy metals from sediment. In addition, a
well-established three-step sequential extraction scheme
(European Community Bureau of Reference, BCR) is widely
accepted as a powerful tool to differentiate the various heavy
metal fractions bound in soils or sediments (Pueyo et al.
2008). The BCR scheme is a good supplement to the DGT
technique and allows a complete and systemic study of heavy
metal chemical behavior in sediment.

Copper (Cu) and zinc (Zn) are the two main heavy metal
contaminants in the Jialing River. Industries involving the
mining, smelting, and processing of non-ferrous metals have
long been concentrated along the middle and upstream sec-
tions of the Jialing River. During the mining process, Cu, Zn,
Pb, and Cd are released into the environment. To date, little
work has been conducted to assess the environmental risk and
remobilization of Cu and Zn in the downstream region of the
Jialing River. Whether the downstream region of the Jialing
River is affected by the mid-upstream mining industry is un-
known. Thus, the aims of this study were (1) to assess the
environmental risk of Cu and Zn in the downstream section
of the Jialing River, (2) to understand the fractions and hori-
zontal and vertical distributions of Cu and Zn in the sediment,
and (3) to identify the factors and mechanisms that control Cu
and Zn remobilization from the sediment.

Materials and methods

Study area and sample collection

The study area was located in the downstream section of the
Jialing River (31° 07′ to 30° 05′, 106° 18′ to 106° 46′) (Fig. 1).
This area includes the flow from Nanchong City (the second
largest population center in Sichuan Province with over 7.5
million people) to Chongqing (a municipality of over 30 mil-
lion people). Four sediment core samples were collected at

Qingquan Temple (S1), Dingjia Village (S2), Litou Village
(S3), and Liuwenxue Tomb (S4) along the downstream sec-
tion of the Jialing River in January 2019. The four core sam-
ples were taken from positions approximately 5–10 m from
the riverbank with a core sampler. The sample cores were then
taken to the riverbank and vertically inserted into a soft sleeve
to minimize disturbance. The sleeves were placed in a special-
ly prepared dark Teflon box (with a constant temperature of 4
± 1 °C and a nitrogen atmosphere), which was immediately
sealed to prevent exposure to oxygen. The four cores were
incubated at 25 °C for 24 h to allow equilibration after the
sediment cores arrived at the laboratory.

DGT probe preparation, deployment, and elution

The commercially available DGT probe was obtained from
Weishen Environment Ltd. (Nanjing, China). The window
size of the assembled DGT probe was 150 mm (length) × 18-
mm (width). The DGT probe was combined with three mem-
branes: a protective 0.45-μm cellulose-acetate filter layer, a
0.4-mm polyacrylamide gel diffusive layer, and a Chelex-100
gel layer as an adsorption sink for heavy metals. In addition, a
silver iodide (AgI) diffusive gel was added to the DGT probe
to measure the dissolved sulfides (Wu et al. 2015; Xu et al.
2016). The AgI diffusive gel was introduced before the
Chelex-100 gel to react with sulfides to form black Ag2S.
The probes were stored at 4 °C until deployment in the
sediment.

Deployment of the DGT probe was conducted as described
by Gao et al. (2016). The DGT deployment was conducted in
an incubator at 25 °C in the dark. Briefly, the DGT probes
were first marked with a 3-cm water-sediment label from the
top of the DGT window as the boundary to distinguish the
water and sediment interface in an oxygen-free box, and the
DGT probe was stored in this box for at least 24 h. The de-
ployment of the DGT probes and storage of the sediment cores
were performed in an anaerobic glovebox (96% N2/4% H2) to
ensure that no oxygen was introduced into the sediment. The
DGT probe was then carefully inserted into the sediment, and
the sediment core was sealed tightly and transferred to a 25 °C
incubator. After 24 h of deployment, the DGT probe was
retrieved and the adsorption gel was cut into 5-mm vertical
segments with a Teflon-coated blade. The slices were then
transferred to 2-mL centrifuge tubes with 1 mL of a 1 M
HNO3 solution to elute the DGT-labile Cu, Zn, and Fe for
further analysis. Then, the eluted solution was diluted ten
times and was ready for measurement. The Cu, Zn, and Fe
concentrations were then analyzed by inductively coupled
plasma mass spectrometry (ICP-MS, Thermo Fisher
Scientific, X SERIES, USA) (Motelica-Heino et al. 2003).

The mass (M) of the target element accumulated by the
DGT sampling device was calculated with Eq. (1):
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M ¼ Ce Vgel þ Vacid

� �

f e
ð1Þ

where Ce is the concentration of the metal in the eluted solu-
tion; Vgel and Vacid are the volumes of the binding gel and the
extracted acid added for elution, respectively; and ƒe is the
elution factor (0.8) (Zhang and Davison 1995).

The average concentration of CDGT (μg L−1) was calculat-
ed based on the mass (M, μg) accumulated on the gel and the
thickness of the diffusive path length, according to Eq. (2):

CDGT ¼ MΔg
DtA

ð2Þ

where Δg is the thickness of the diffusive gel and membrane
filter (cm); D is the diffusion coefficient of the target analyte in
the diffusive gel and prefilter (cm2 s−1); t is the duration of the
deployment (s); andA is the area of the sampling window (cm2).

Flux calculation

To evaluate the transfer of Cu and Zn across the geochemical
interfaces, the apparent fluxes of Cu and Zn across the sediment-
water interface (SWI) were calculated using a numerical model

developed by Guan et al. (2016); this model is based on the
sediment properties, and the equation is as follows:

F ¼ Fw þ Fs ¼ Dw
∂CDGT
∂Xw

� �
x ¼ 0ð Þ þ ϕDs

∂CDGT
∂Xs

� �
x ¼ 0ð Þ

ð3Þ
where F is the total flux of Cu and Zn across the interface, Fw is
the labile Cu andZn flux from thewater to the SWI,Fs represents
the labile Cu and Zn fluxes from the sediment to the SWI, Φ is
the porosity of the sediment with a value of 0.9 based on the
study by Ding et al. (2015), Dw is the matrix-specific diffusion
coefficient of Cu and Zn in the overlying water, Ds (φ

2 ×Dw) is
the matrix-specific diffusion coefficient of Cu and Zn in the
sediment (Ullman and Aller 1982), ∂CDGT

∂Xw

� �
x ¼ 0ð Þ is the

DGT concentration gradient in the overlying water, and
∂CDGT
∂X s

� �
x ¼ 0ð Þ is the DGT concentration gradient in the

sediment.

Sediment quality guidelines and risk assessment code

Sediment quality guidelines (SQGs) have been proven to be a
quick, powerful tool for assessing the risk of heavy metal
contamination in sediments (MacDonald et al. 2000). In this

Fig. 1 Location of four sampling sites in Jialing River
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study, four types of limit values were applied to assess the
potential environmental risk to the ecosystem based on the
total concentration of Ni, including the Chinese sediment
quality guideline Class I (CSQG I), the Chinese sediment
quality guideline Class II (CSQG II), the threshold effect con-
centration (TEC), and the probable effect concentration (PEC)
(Long and MacDonald 1998; CEPA 2002; Feng et al. 2011).
In addition, the risk assessment code (RAC) was applied to
evaluate the risk and mobility of the exchangeable and car-
bonate fractions of Cu and Zn in the sediments (Perin et al.
1985; Singh et al. 2005; Ke et al. 2017). These fractions are
considered to be weakly bonded metals that may equilibrate
with the aqueous phase and thus rapidly become more bio-
available than they were in the solid phase (Pardo et al. 1990).
The RAC classification for assessing Cu and Zn pollution is
presented as the percentage of the acid-soluble fraction in the
sediment (Table 1).

BCR sequential extraction and acid digestion

The application of a modified three-step BCR method, and
acid digestion was used to differentiate the Cu and Zn frac-
tions in the surface sediment (Pueyo et al. 2008). A 0.50-g
sample of dried surface sediment was weighed and added to a
series of solutions to extract the four fractions of heavy metals:
the acid-soluble/exchangeable fraction (F1), reducible fraction
(F2), oxidation fraction (F3), and residual fraction (F4). The
details of the extraction scheme are listed in Table 2. The
filtrate of all the fractions was analyzed via ICP-MS
(Thermo Fisher Scientific, X SERIES, USA). Total metal
concentrations in sediments were digested following Ščančar
et al. (2000): 0.300 ± 0.001 g dry sediment samples were first
soaked in 2 mL of HNO3 for 24 h overnight at room temper-
ature and then digested with 12 mL of a mixture of perchloric
and nitric acid (1:3) in a sand bath until the solution became
faint yellow. The solution was then concentrated to approxi-
mately 1–2 mL and spiked with 10 mL of hydrofluoric acid;
the solution was again evaporated and concentrated to 1–

2 mL. The filtrate of all the fractions and total fraction were
then diluted and analyzed via ICP-MS (Thermo Fisher
Scientific, X SERIEPS, USA).

Data analysis

Statistical analysis was conducted usingMicrosoft Excel 2016
and SPSS 23.0. Pearson’s correlation analysis was employed
to assess the correlations among Cu, Zn, and Fe. The figures
were plotted with OriginPro 9. The map of the study area was
plotted with ArcGIS 10.0.

Results and discussion

Fractions of Cu and Zn in the sediments

The results of the BCR sequential extraction are presented in
Fig. 2. The fractions of Cu and Zn showed similar trends at the
four sites. A large quantity of Cu and Zn was bound in F2 (Cu,
9.9–49.3%, mean: 33.0%; Zn, 9.2–45.5%, mean: 31.6%) and
F4 (Cu, 47.8–85.7%, mean: 62.21%; Zn, 48.5–72.6, mean:
54.7%), which represented over 90% on average of the total
concentrations in the sediment at the four sites. Conversely,
less than 4% (means of 3.5% for Cu and 2.4% for Zn) was
bound in F1, and 1.1% and 11.2% were bound in F3 on aver-
age for Cu and Zn, respectively. F1 is thought to be the bio-
available fraction that can be readily taken up by aquatic or-
ganisms. In addition, F2 is thought to have a high potential for
transformation into the F1 fraction if the sediment environ-
ment changes (e.g., in response to variations in Eh or pH)
(Shen et al. 2017; Xu et al. 2016). The above results show that
the percentages of F1-Cu and F1-Zn were low, whereas F2-Cu
and F2-Zn represented over 30% of the total. Thus, it could be
inferred that although the bioavailability of Cu and Zn was not
high, there was a potential risk of these metals becoming bio-
available. This result is consistent with the findings of a pre-
vious study, which reported that in the upstream section of the
Jialing River near a Pb-Zn smelter (Shen et al. 2017), Cu and
Zn are present in the highly exchangeable and mobile frac-
tions. Furthermore, a similar distribution of Cu and Zn was
observed in the various fractions. Cu and Zn are both divalent
ions and have similar chemical characteristics. For example,
when Cu2+ and Zn2+ in wastewater are discharged into the
Jialing River and finally settle in the sediments, they may both
be captured by iron/manganese oxides, organic matter, or sul-
fur (once strong reducing conditions form) to form stable
chemical substances. Hence, it can be inferred that the similar
distributions of Cu and Zn in different fractions are related to
the chemical characteristics of the two metals and their origin
from the same trace source.

Table 1 Exchangeable fraction of Cu and Zn in four sites and risk
assessment code (RAC) (Perin et al. 1985)

Metal S1 S2 S3 S4

Cu 2.5 7.9 1.9 1.6

Zn 3.0 1.8 2.7 2.1

Risk Metal in the exchangeable fraction (%)

No < 1

Low 1–10

Medium 11–30

High 31–50

Very > 50
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Environmental risk assessment using SQGs and RAC

In this study, two approaches, the SQGs and RAC, were used
to assess the environmental risk of Cu and Zn in the sediment
of the study area. Four empirical SQGs and the total concen-
trations of Cu and Zn are displayed in Table 3, and a compar-
ison of the total Cu and Zn with the SQGs is shown in Fig. 3.
The total concentrations of Cu and Zn ranged from 56.30 to
93.10 mg kg−1 and 167.40 to 278.81 mg kg−1, respectively.
The total concentrations of Cu (Ctotal-Cu) and Zn (Ctotal-Zn)
followed the same order at the four sites: S3 > S2 >S4 > S1.
The SQG evaluation was based on the total concentration of
heavy metals. According to the evaluation standards of CEPA
(2002) and MacDonald et al. (2000), CSQG I and TEC (low
range values) represent the concentrations below which ad-
verse effects on the aquatic ecosystem are not expected; the
water in this area is suitable for propagation industries and
natural reserves. CSQG II and PEC represent the concentra-
tions above which adverse effects are expected to occur, and
the water quality is suitable only for transport. Concentrations

between these values indicate that adverse effects may occur
occasionally, and the water in this area is suitable for tourism.
The Ctotal-Cu and Ctotal-Zn at all four sites were significantly
higher than the CSQG I and TEC limits but not above the
CSQG II and PEC limits, indicating that Cu and Zn may pose
a toxicity risk to aquatic systems in the downstream section of
the Jialing River. The exchangeable fractions are considered
to contain weakly bound metals that may equilibrate with the
aqueous phase, thus rapidly becoming more bioavailable than
they were in the solid phase (Pardo et al. 1990). The SWI is a
unique area, and different heavy metal fractions may make
different contributions to the level of toxicity affecting the
ecosystem (Tang et al. 2014). Hence, the RAC, which is based
on the bioavailable fraction, could provide a more accurate
representation than the SQGs of Cu and Zn pollution in the
study area. The RAC divides environmental risk into five
ranges: no risk, low risk, medium risk, high risk, and very
high risk. The percentages of F1-Cu and F1-Zn based on the
results of BCR sequential extraction are exhibited in Table 1.
Based on the five levels of the RAC (Perin et al. 1985),

Fig. 2 The fraction of Cu (a) and Zn (b) in the sediment (blue , yellow , green , and orange rectangles represent fraction F1, F2, F3, and F4
respectively)

Table 2 Reagents used and extraction procedures of sediments

Procedure Reagents Method Fraction

1 0.11 M CH3COOH Samples were shaken for 16 h at 20 ± 2 °C and then
centrifuged at 3500g for 20 min

Exchangeable and acid soluble fraction

2 0.5 M NH2OH·HCl (pH = 2.0) Samples were shaken for 16 h at 20 ± 2 °C and then
centrifuged at 3500g for 20 min

Reducible fraction

3 (1) 8.8 M H2O2

(2) NH4OAC (pH = 2.0–3.0)
(1) Samples were firstly soaked with 8.8 M H2O2 at room

temperature for 1 h with occasional shaking, following by a
1 h digestion at 85 ± 2 °C. The solution was concentrated to
at least 3 mL and respiked with 8.8 M H2O2 for a further
digestion until the solution reached approximate 1 mL.

Oxidizable fraction

(2) the above samples were then spiked with 1 M NH4OAC
and shaken for 16 h at 20 ± 2 °C and then centrifuged at
3500 g for 10 min.

4 37%HCl + 70%HNO3 Samples were digested with 37%HCl and 70%HNO3 with a
volume ratio 3:1 for 2 h at 160 ± 2 °C in a graphite oven

Residual fraction

39287Environ Sci Pollut Res (2020) 27:39283–39296



because both F1-Cu and F1-Zn were below 10%, Cu and Zn
presented a low environmental risk. In summary, the results of
both the SQGs and RAC demonstrated that the environmental
risk of Cu and Zn in the downstream section of the Jialing
River was low.

Vertical variations in CDGT-Cu, CDGT-Zn, and CDGT-Fe

The vertical distributions of Cu, Zn, and Fe at the four sites are
presented in Fig. 4. At S1, CDGT-Cu decreased from
8.82 μg kg−1 at 3 cm in the overlying water to 0 μg kg−1 at
0.5 cm and at the SWI. The level then increased steadily until
− 11 cm, where the concentration increased sharply from
12.59 μg kg−1 to 36.29 μg kg−1 between − 11 cm and −
12 cm. A similar trend was observed for Zn from 3 cm in
the overlying water (82.06 μg kg−1) to the SWI
(42.33 μg kg−1); CDGT-Zn then fluctuated until − 10.5 cm,
where a sharp increase was observed between − 10.5 cm
(38.62 μg kg−1) and − 12 cm (125.43 μg kg−1). CDGT-Fe
maintained an average value of 1000.00 μg L−1 from 3 cm
to the SWI and then showed a slight increase from the SWI
(1072.30 μg L−1) to − 1.5 cm (1362.61 μg L−1). A peak was
observed at − 3 cm (2084.94 μg L−1), and then there was a
steady decrease to the bottom of the DGT probe. At S2, CDGT-
Cu showed a slow decrease from 3 cm to the SWI and then a
steady increase from the SWI to − 8 cm. Below − 8 cm, there
was a small peak (44.52 μg kg−1) at − 8.5 cm and a noticeable
peak (71.06 μg kg−1) at − 11 cm. For Zn, a clear valley

(8.76 μg kg−1) was observed at the SWI. The curve then
maintained a continual, steady increase to the bottom of the
probe. A clear peak in the CDGT-Fe curve was observed at the
SWI (2950.12 μg L−1), and the level fluctuated until − 7.5 cm.
Ano the r b road peak was obse rved a t − 9 .5 cm
(2645.18 μg L−1), and then there was a decrease from −
9.5 cm to the bottom of the probe. At S3, CDGT-Cu showed
an increase from 17.70 μg kg−1 (3 cm) in the overlying water
to 43.56 μg kg−1 (0.5 cm) and then fluctuated until − 8.5 cm,
where there was a rapid increase from − 8.5 cm
(15.76 μg kg−1) to the bottom of the DGT probe
(125.85 μg kg−1). Similar to Cu, CDGT-Zn fluctuated from 3
to − 9.5 cm, followed by a sharp increase from 103.14μg kg−1

to 535.01 μg kg−1. The M-shaped CDGT-Fe curve showed
twin peaks at 1.5 cm (2637.74 μg L−1) and − 1 cm
(2510.81 μg L−1). The level then fluctuated until a third broad
peak appeared at − 9 cm (2627.15 μg L−1). A sharp decrease
was then observed from − 9.5 to − 10 cm. At S4, CDGT-Cu
decreased from 9.21 μg L−1 in the overlying water to
2.19 μg L−1 at SWI. The curve then fluctuated until a prom-
inent peak was obtained at − 10 cm (16.5 μg L−1). CDGT-Zn
initially fluctuated in the overlying water and then decreased
across the SWI. In the sediments, the curve showed a rising
wave shape and two low peaks were obtained at − 3.5 cm
(36.21 μg L−1) and − 9 cm (49.59 μg L−1). CDGT-Fe main-
tained a low concentration in the overlying water followed by
a rapid increase to 655.1 μg L−1 at the SWI. The level then
fluctuated from − 0.5 to − 6.5 cm to three peaks at − 7 cm
(828.2 μg L−1), − 8.5 cm (841.8 μg L−1), and − 11.5 cm
(880.5 μg L−1), followed by a sharp decrease to 0.08 μg L−1

at the bottom of the DGT probe.
The above results showed that the vertical distributions of

Cu and Zn were quite similar. The most obvious trend was
that both exhibited a significant increase at the bottom of the
sediment cores. Further analysis of CDGT-Cu and CDGT-Zn
found that these two metals were significantly positively cor-
related (Fig. 5, r = 0.834, p < 0.01). Combinedwith the similar
distributions of Ctotal-Cu and Ctotal-Zn at the four sites
discussed above, these two results indicate that Cu and Zn
had similar horizontal and vertical distributions. Thus, the
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Fig. 3 Comparison of total concentration of Cu (a) and Zn (b) with four empirical SQG values

Table 3 Total metal concentrations in four sites and four empirical
SQGs (mg kg−1)

S1 S2 S3 S4 CSQG I CSQG II TEC PEC

Cu 56.30 81.58 93.10 61.15 35 100 31.6 149

Zn 167.40 257.25 278.81 238.57 150 350 121 459

CSQGs I, Chinese Sediment Quality Guidelines, Class I; CQGs II,
Chinese Sediment Quality Guidelines, Class II. CEPA 2002

TEC, threshold effect concentration; PEC, probable effect concentration.
MacDonald et al. 2000
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two metals probably had the same source and this source may
be related to the anthropogenic input of large amounts of
metals from Pb-Zn mining and smelting. A case study

claimed that the mining of Zn and Pb may also cause Cd
and Cu contamination in the soil and sediment in the
upstream section of the Jialing River. Wang et al. (2017a) also
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found that Cu and Zn were significantly correlated (r = 0.671,
p < 0.01) in the soils of a mining area in Sichuan Province.
Therefore, the simultaneous input of Cu and Zn to the sedi-
ment of the Jialing River may originate from Zn-Pb mining in
the upstream section.

A comparison of the vertical distributions of Zn and Cu
with Fe indicates (Fig. 4) that the variation in CDGT-Fe exhib-
ited an inverse trend relative to that of CDGT-Cu and CDGT-Zn.
This finding indicates that the release of Cu and Zn may be
related to Fe. The sequential extraction results also revealed
that large amounts of Cu and Zn were bound in the F2 fraction
(the iron oxide fraction). Previous studies have also found that
the release of labile Fe was inversely correlated with the re-
lease of heavy metals, including cadmium (Cd), antimony
(Sb), vanadium (V), and arsenic (As) (Xu et al. 2016; Gao
et al. 2016, 2017a, 2017b; Yan et al. 2018). Thus, further
study is needed, e.g., a correlation analysis between CDGT-
Fe and CDGT-Cu/Zn.

Apparent flux of Cu and Zn at the SWI

The calculation of trace metal diffusive fluxes at the SWI is
important for determining the mobilization trend across the
SWI and for determining whether the sediment is a source
or sink for contaminants (Tang et al. 2016; Gao et al.
2017a). Data at the millimeter scale of the DGT probe can
provide more precise values than those at a larger scale to
evaluate the apparent flux of Cu and Zn at the SWI.
Figure 6 shows the apparent fluxes of Cu (FCu) and Zn (FZn)
across the SWI at the four sites. The negative and positive
values represent fluxes to the sediment and water, respectively
(Ding et al. 2015; Xu et al. 2016). In this study, FCu and FZn

ranged from − 1.85 to 62.35 ng cm2 day−1 and 11.76–
190.47 ng cm2 day−1, respectively. At S2, S3, and S4, FCu

had positive values, indicating that the Cu at these three sites
was mobilized from the sediments to the water, and the sedi-
ment could be identified as a source with the potential risk of
Cu release to the overlying water. The flux value at S1 had a

negative value, indicating that Cu could flux from the overly-
ing water into the sediment and that the sediment may be a
sink for Cu. For Zn, the FZn values at all the sites had positive
fluxes, which indicates that all four sites in the study area are a
source of Zn release. Furthermore, the FCu and FZn values at
S3 were significantly higher than those at the other sites
(p < 0.05), indicating that the speed of Cu and Znmobilization
from the sediment to the overlying water was the most rapid at
S3. This result correlated well with the DGT result (CDGT-Cu
and CDGT-Zn in the sediment at S3 were much higher than
those at the other three sites). The flux results further sug-
gested that sediments at S3 had a high potential to release
Cu and Zn to the aquatic ecosystem and that among the stud-
ied sites, the aquatic ecosystem at S3 was the most vulnerable
to Cu and Zn contamination.

Key factors affecting the remobilization of Cu and Zn
in sediments

The effect of Fe release on the remobilization of Cu and Zn

The above results clearly demonstrated that Cu and Zn had
very similar trace sources and were possibly transported from
upstream areas. What are the factors that caused the release of
labile Cu and Zn? Iron oxides have been widely accepted as
substantial sinks for heavy metals, such as Cu, Zn, Cd, and Pb.
Iron oxides may adsorb metals via bidentate bonding [reaction
(1)] or simultaneous adsorption and hydrolysis at pH 7.0 [re-
action (2)] (Benjamin and Leckie 1981):

2FeOHþMe2þ ¼ Fe2O2Meþ 2Hþ ð1Þ
FeOHþMe2þ þ H2O ¼ FeOMeOHþ 2Hþ ð2Þ

As the total concentration of Mn in this study was only 5%
of the Fe concentration, the overall contribution of Mn oxides
to adsorption was negligible due to their low abundance in the
sediments. Thus, we first hypothesized that Fe may have been
a key factor that mitigated this process. Significant negative
correlations were obtained at S1 (rCu = − 0.610, p < 0.01;
rZn = − 0.684, p < 0.01), S2 (rCu = − 0.474, p < 0.05; rZn = −
0.583, p < 0.01), S3 (rCu = − 0.594, p < 0.01; rZn = − 0.664,
p < 0.01), and S4 (rCu = − 0.412, p < 0.05; rZn = − 0.483,
p < 0.01) (Fig. 7). Fe release from the sediment was primarily
due to the reductive dissolution of iron oxides (such as ferri-
hydrite, goethite, or hematite) under highly reducing condi-
tions, and Fe(II) may have been the main driving force of this
process (Vodyanitskii 2010; Nielsen et al. 2014; Zhang et al.
2018, 2019). Once the reduced condition is altered, for exam-
ple, if oxygen is introduced into deep sediment, the reductive
dissolution of Fe oxides may be hindered. Zhang et al. (2018)
and Zhang et al. (2019) found that in soils with iron oxide in a
relatively poorly crystalline phase, more DGT-labile Fe could
be captured by the DGT sampler under partially reducing
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conditions. Casagrande et al. (2005) also pointed out that there
was an increase in the Zn adsorbed by soil rich in Fe oxides.
Thus, we hypothesized that under the highly reducing condi-
tions of the sediments, more DGT-labile Fe would be released,
more iron oxides would exist at the corresponding depth, and
more heavy metals would be trapped by the iron oxides. A
non-simultaneous release of Fe and metals occurred primarily
because the surface area of the iron oxides was still sufficient
to adsorb Zn and Cu. The average ratios of CDGT-Zn/CDGT-Fe
and CDGT-Cu/CDGT-Fe were less than 0.02 and 0.05, respec-
tively, indicating that the iron oxides still had sufficient ad-
sorption sites to capture the heavy metals. Hence, the remobi-
lization of Cu and Zn controlled by Fe tended to reflect a
chemical or physical desorption process. From the above dis-
cussion, we hypothesized that CDGT-Fe may have been a key
factor controlling the release of Cu and Zn from the sediments
in the study area.

The effect of S release on the remobilization of Cu and Zn

The BCR results showed that approximately 3% of Cu and
11% of Zn were bound to the organic matter/sulfide fraction
(F3 fraction). It is widely accepted that sulfur (S) also plays an
important role in controlling the reactivity, toxicity, and mo-
bility of heavy metals in sediments (Tsai et al. 2003; Seidel
et al. 2006; Yin et al. 2008). As the average total organic
carbon (TOC) content at the four sites was only 1.4%, we
hypothesized that the rapid increase at the bottom (approxi-
mately − 9 cm to − 12 cm) of the probe was not regulated by
Fe alone; the DGT results provide evidence that S may be
another factor that can significantly mitigate the release of
Cu and Zn. This study applied an AgI gel to the DGT probe
to measure dissolved sulfides, such as HS− and H2S (Wu et al.
2015; Xu et al. 2016), to study the mechanism by which S
affects the release of Cu and Zn. During DGT probe deploy-
ment, sulfide species from interstitial water react with the pale
yellow AgI to form black As2S (Stockdale et al. 2009; Xu
et al. 2016). The intensity of the darkness of the AgI gel can
be photographed for analysis. In this study, we selected S3

(with the highest CDGT-Cu and CDGT-Zn) to study the change
in sulfides along the DGT probe. A hotspot of CDGT-Cu and
CDGT-Zn was clearly observed at the bottom of the probe from
approximately − 10 cm to − 12 cm, and the AgI gel also ex-
hibited a prominent dark area at the same depth (Fig. 8). These
results indicate that the simultaneous release of Cu-Zn and S
occurred at this depth. This result is consistent with the results
of previous studies (Gao et al. 2015; Xu et al. 2016; Gao et al.
2017a) on other heavy metals. Gao et al. (2015) found a si-
multaneous release of S and heavy metals below − 11 cm.

Under highly reducing conditions, cations normally bind
with S2− and form highly insoluble sulfide precipitates in the
sediment (Yin et al. 2008). Cu and Zn can generally substitute
for Fe in FeS to form highly insoluble metal sulfide precipi-
tates (under conditions with an Eh lower than − 150 mV and a
pH ranging from 7–7.5) via reactions (3) and (4) (Di Toro
et al. 1992; Tankere-Muller et al. 2007; Badrzadeh et al.
2011., Zhang et al. 2013; Zhu et al. 2018):

Cu2þ þ FeS ¼ CuS sð Þ þ Fe2þ ð3Þ
Zn2þ þ FeS ¼ ZnS sð Þ þ Fe2þ ð4Þ

Dissolved Cu and Zn thus normally remained at low con-
centrations in the sediments because with an excess of acid
volatile sulfur (AVS), sediments typically have very low con-
centrations of dissolved metals in their pore water (Di Toro
et al. 1992; Simpson et al. 2000). Nevertheless, insoluble sul-
fide precipitates may become much more vulnerable if the
aquatic environment changes and S and metals are released
from the sediment. The simultaneous release of S with Cu-Zn
may be related to the instability of sulfides. The stabilities of
CuS and ZnS are normally altered by changes in the sediment
redox state. Investigations have concluded that heavy metals
bound to S can be liberated during the aeration of sediments.
This is primarily caused by the introduction of oxygen and the
substantial increase in the bioavailability of Cu and Zn in
sediments (Schaanning et al. 1996). A possible interpretation
is that Cu and Zn may experience a dissolution process similar
to cadmium (Cd) (Wang et al. 2010) by both biotic and abiotic
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processes in the study area; CDGT-Cu and CDGT-Zn in precip-
itates at the bottom were partially oxidized to soluble CuSO4

and ZnSO4 via the following reactions:

CuS sð Þ þ 2O2 gð Þ ¼ Cu2þ þ SO4
2− ð5Þ

ZnS sð Þ þ 2O2 gð Þ ¼ Zn2þ þ SO4
2− ð6Þ

In this process, oxygen acts as an electron acceptor
(Motelica-Heino et al. 2003), microbial activity may promote
sulfur oxidization and sulfide precipitates may become unsta-
ble (Seidel et al. 2006). Hence, the remobilization of Cu and
Zn controlled by S tended to indicate an oxidizing reaction,

which was different from the process controlling Fe. The var-
iations in pH and Eh values also provided supplementary ev-
idence explaining why this process occurred at the bottom of
the probe (especially at − 8 to − 12 cm) (Fig. 8). Although the
Eh values decreased rapidly below the SWI, they increased
from − 6.5 to − 12 cm. We hypothesized that this unusual
phenomenon may be related to the possible introduction of
O2. De Jonge et al. (2012) thought that an increase in O2

may change the Eh, leading to the oxidation of S and the
release of some S-bound stable-phasemetals to the pore water.
The pH also exhibited a steady decreasing trend from 6 to −
12 cm. This observation also suggested that the introduction
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of O2 may have hindered the Fe oxide reductive dissolution
process in the deep sediment and that the decrease in Fe(II)
concentration could further diminish the water ionization pro-
cess (Wang et al. 2017b; Zhang et al. 2018). Accordingly,
fewer protons may have caused a slower and stable decreasing
pH trend at the bottom of the sediment in contrast to the fast
decrease in the surface sediment. The above Eh and pH results
may also explain the phenomenon and our hypothesis why
CDGT-Fe presented a much lower concentration, while
CDGT-Cu/Zn showed a higher concentration in the deep sed-
iment, which may have been related to the introduction of O2

(Fig. 7).
Actually, the S3 sampling site has a history of sand mining

for 0.5–1 year. The intensive sand mining activity in the
downstream section of the Jialing River may strongly and
directly influence the stability of sulfides. Sand mining may
cause a substantial introduction of oxygen into deeper sedi-
ments and alter the redox conditions of the sediment. No sharp
increase in Eh was observed in the S3 sediment core, probably
because the sediments had equilibrated for a long period.
However, the abnormal gradual increases in Eh and pH in
the deep sediment still indicated that sand mining had impact-
ed the sediments at this site. The topography in the down-
stream region of the study area (S3 and S4) is relatively flat,
whereas S1 and S2 are associated with mountainous topogra-
phy. A high water velocity may cause the influx of large
amounts of sediment from upstream areas, which may gradu-
ally cover the excavated holes and store trace oxygen in the
micropores in the sediments. The tiny amounts of oxygen in
micropores may lead to a gradual increase in sediment Eh and
continual Cu and Zn release from the sediments. This anthro-
pogenic activity may override the effect of resident microbial
activity and cause the release of S and heavy metals. A con-
ceptual model was developed to describe how Fe and S can
mitigate Cu and Zn release processes in sediment (Fig. 9).

Conclusions

In this study, we evaluated the environmental risk and studied
the fractions and remobilization of Cu and Zn in sediments.
Cu and Zn in the downstream section of the Jialing River
presented a low environmental risk, indicating that they may
not pose a serious threat to the aquatic ecosystem. Cu and Zn
were primarily bound in the F2 and F4 fractions. Both the
horizontal (total concentrations at four sites) and vertical dis-
tribution (DGT) results revealed that Cu and Zn had a signif-
icant positive correlation, indicating that they may have the
same anthropogenic source from upstream. The DGT results
also showed significant remobilization of Cu and Zn from the
sediments, which is thought to be related to Fe (fraction 2) and
S (fraction 3). A further correlation analysis found that CDGT-
Cu/Zn had a negative correlation with CDGT-Fe, and thus, Cu

and Zn release may be mitigated by the abundance of iron
oxides in the sediment. In addition, the “dark area” of the
AgI gel correlated with the “hotspot” of the Chelex gel that
measured Cu and Zn, indicating that S may be released simul-
taneously. In summary, the DGT technique was proven to be a
robust tool for monitoring and studying the mechanism of Cu
and Zn release from sediment. Although Cu and Zn were
assessed as presenting a low environmental risk to the aquatic
ecosystem, the sand mining industry is suggested to signifi-
cantly influence sediment redox and accelerate the release of
Cu and Zn from sediments, which needs to be considered by
the government.
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