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Abstract
The change in environmental conditions during the transportation of contaminated soil and sediment was expected to affect the
transformation of heavy metal fractionation. This study disclosed the serious contamination of copper (Cu), lead (Pb), and zinc
(Zn) in the sewer sediment of an e-waste dismantling community in Thailand which may be caused by flushed contaminated soil
and e-waste fragments. Two environmental conditions were simulated to observe the transformation of heavymetal fractionation.
The anoxic sewer condition was induced using high substrate and sulfate in a closed container. The aeration of anoxic contam-
inated sediment was applied to simulate the transformation to an oxidative environment. The BCR sequential extraction was
applied for heavy metal fractionation in this study. The study results exhibited that when heavy metal contaminated soil was
transferred into this induced anoxic condition, fractionation was redistributed based on the chemical change of system that tends
to be associated into F3 (oxidizable fraction) > F2 (reducible fraction) > F1 (acid soluble/exchangeable fraction). Cu exhibited the
outstanding capability association to F3. The iron sulfide was not observed as usual due to its lower capability than Cu, Pb, and
Zn. When contaminated sediment was transported to a more oxidative environment, the heavy metals fractionation would be
redistributed again among those new environment media. It is noteworthy that F3 of Cu was stable even in oxic conditions. F2 of
Fe was not developed by this oxic condition, possibly because its dehydration process was limited. The redistribution under an
oxic environment became F1 > F2 > F3 indicating their more available form. This transformation was imperative and should be
taken into account in heavy metal contaminated site management and control.
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Introduction

Heavy metal is a hazardous inorganic pollutant group com-
monly found at contaminated sites as a result of metal mining,
milling processes, industrial wastes, and electronic waste (e-

waste). Heavy metals are accumulated in soil and sediment by
various mechanisms. It could precipitate as its own compound
such as a metal hydroxide, metal carbonate, and well-known
metal sulfides formed under anoxic conditions. Sulfide is
well-known to principally associate with heavy metals rather
than other soil materials via its covalent bond. Another major
process in accumulating heavy metals in soil is adsorption by
various mechanisms on the surface of many soil materials,
especially, on ferric oxide and organic matter (Bradl 2004).
Amorphous ferric oxides in soil are natural materials having
great capability to sorb heavy metals through isomorphic sub-
stitution and ion exchange mechanisms (Hooda 2010).

The heavy metal fractionation in soil is a concept to clas-
sify heavy metals in soil into some form related to the envi-
ronmental states or chemical forms (e.g., exchangeable
form, reducible form, oxidizable form, and stable form)
(Filgueiras et al. 2002). Changing of soil chemicals due to
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the shifting of the surrounding environment leads to the
change of soil chemicals, thus transforming heavy metal
fractionation in soil.

Oxidation-reduction potential (ORP) is a measure of
electron pressure in a solution. It is often used to access
the degree of electrochemical reduction of an environmental
system. The chemical and biological transformations take
place as coupled oxidation in which the organic substrate
acts as the electron donor and as a reduction reaction in
which various chemicals act as electron accepters. For the
anoxic respiration, nitrate is one of the first electron ac-
cepters at an ORP of about + 250 mV followed by manga-
nese at an ORP of about + 225 mV. The reduction of iron
(Fe) from ferric (Fe3+) to ferrous (Fe2+) occurred at an ORP
of about + 100 to − 100 mV. Sulfide (S2−) is developed from
the reduction of sulfate (SO4

2−) occurring at an ORP of −
100 to − 200 mV. These reduction reaction was rather oc-
curred sequentially from higher ORP to lower ORP (e.g., if
available ferric in the systemwas still plenty or sufficient for
biological activity, sulfate will not be used).

Some studies demonstrated that the change of ORP of the
surrounding environment affects the form of heavy metals in
soil and sediment. The study of Kelderman and Osman (2007)
showed that when anoxic sediment was exposed to the air,
some heavy metals were released due to the oxidation of metal
sulfide, and then redistributed to exchangeable and carbonate
fractions that were labile binding phase. Hartley and Dickinson
(2010) demonstrated the effect of the ORP of water that slowly
flows through the sediment column on the mobility of some
metals. They found that iron and soluble organic carbon were
released into the flowing water during negative ORP (−
157 mV) while some heavy metals (Cu, Pb, Zn) were released
when the ORP was manipulated to more than + 300 mV in
contrast to iron and soluble organic carbon which recoil to
limited concentrations. Vink et al. (2010) simulated floodplain
soil inundated by water which was a reductive environment.
The result demonstrated that the heavy metals were released
or detained kinetically depending on its local condition relating
tomicrobial activity. The heavymetals in soil were released due
to the loss of the reactive ferric-oxyhydroxide sorption phase,
and then dissolved in water by association with dissolved or-
ganic matter or precipitated as metal sulfide via bonding with
sulfides. This was dependent on metal species, organic matter
in soil, and available sulfate in the system.

The soil in the e-waste dismantling area was usually pol-
luted seriously by copper (Cu), lead (Pb), and zinc (Zn) while
nickel (Ni), cadmium (Cd), and mercury (Hg) were found at
elevated levels (Damrongsiri et al. 2016; Leung et al. 2006;
Jun-hui and Hang 2009; Luo et al. 2011; Tang et al. 2010).
Metal contamination through wind and water transportation
affected adjacent areas and accumulated in many food plants
(Fu et al. 2008; Jun-hui and Hang 2009; Luo et al. 2011;
Olafisoye et al. 2013; Pradhan and Kumar 2014).

The serious heavy metal contamination in soil was
disclosed in a dismantling community—Sue Yai Utit—locat-
ed in Bangkok, the capital city of Thailand (Damrongsiri et al.
2016). The contaminated soil and small e-waste fragments
were expected to be transported to the drainage collection
system by runoff which accumulates in sewers and may be
further transported to the river. The drainage system in this
study area is a combined system that receives both surface
runoff and untreated household wastewater. Thus, the biolog-
ical degradation of organic substrate occurs naturally. Due to
the confined environment in the sewer, the oxygen is normally
depleted by microbial activity resulting in the occurrence of
anaerobic respiration transforming various chemicals to a re-
duced state. Subsequently, this anoxic sediment would be fi-
nally transported to the river, which has a more oxidative
environment, therefore transforming many chemicals to a
higher oxidative state.

This study aims to investigate the transformation of
heavy metal fractionation by simulating the change in
environmental conditions. Heavy metal contamination in
the sewer system in the Sue Yai Utit e-waste dismantling
area was observed. Soil and sewer sediment in this area
was examined in this study. Copper (Cu), lead (Pb), and
zinc (Zn) exhibited very high concentrations in soil in this
area (Damrongsiri et al. 2016) and so were selected as the
representatives of heavy metal pollution in the soil and
sewer sediment.

Materials and method

Sampling sites, sample collection, and preparation

The soil and sediment sampling activities at Sue Yai Utit
were conducted during April and June 2016, respectively.
The details of this dismantling area and its heavy metal
concentrations in the soil were demonstrated in the study
of Damrongsiri et al. (2016). The wastewater collection sys-
tem in this area was a combined sewer system. The direction
of flow in the sewer is shown in Fig. 1a. The sediment
samples from the sewer were collected from six manholes
as shown in Fig. 1a. The manholes #1 and #2 were located in
the upstream area, #3 and #4 were among the hotspots of the
contaminated area, and #5 and #6 were downstream of the
contaminated area before the discharge to a canal. Soil sam-
ples were collected from eight sampling points in the
hotspot area (Damrongsiri et al. 2016) as shown in Fig.
1b. All samples were collected to a depth of 10 cm using a
stainless steel trowel. The sediment samples were stored in
HDPE bottles and were kept moist at 4 °C in a refrigerator.
The polyethylene bags (Ziploc) were employed to store the
soil samples.
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Observation for heavy metals in sewer sediment

The sediment samples were dried in an oven at 40 °C. The
vegetation, stones, and other coarse materials were removed
before grinding and sieving (< 2 mm). The samples were then
homogenized and stored in a desiccator prior to digestion and
analysis for Cu, Pb, and Zn concentration.

Environmental transformation experiment

There were two transformation simulations in this study: (1)
transformation from a surface soil environment to anoxic sew-
er sediment and (2) transformation from anoxic sewer sedi-
ment to aerobic suspended solid in the waterway.

Surface soil to anoxic sewer sediment

This experiment was designed for the case of surface soil
(oxidative environment) being moved to the sewer and sub-
merged with wastewater (anoxic environment). The sample
was prepared as a dried soil sample by the method described
earlier and applied in this experiment. The equal weights of
those eight soil samples were mixed together to be a compos-
ite sample. The prepared soil samples were sieved to separate
the fine soil particles (Fsoil) and coarse soil particles (Csoil).
Fine soil particles (< 0.063 mm) were aligned with silt and
clay, while coarse soil particles (0.063–2 mm) were compara-
ble to the size of sand according to the grain size classification
for soil by Wentworth (1922). The soil samples were quanti-
fied for pH, sulfide, organic matter (OM), Fe, Cu, Pb, and Zn.

To induce anoxic environment, 30 g of soil sample was
mixed with 150 mL synthetic wastewater in a 200 mL glass
bottle. The bottle was closed tightly and kept in the dark at

room temperature (OECD 2002) for 2 months. The synthetic
wastewater was prepared from Lauryl Tryptose Broth (Difco
tm) and Na2SO4 (99%, MERCK) to derive 3000 mg L−1 of
chemical oxygen demand (COD) and 3000 mg SO4

2− L−1.
This 3000 mg SO4

2− L−1 was equivalent to 5000 mg S2−

kg−1 in soil while 3000 mg COD L−1 was ten times the aver-
age COD in domestic wastewater in Thailand (Department of
Industrial Works 2002). After 2 months, the sample was mea-
sured for the pH and ORP of the system. Then, soil and water
were separated by centrifugal approach. The sulfate, COD,
total concentration of Fe, Cu, Pb, and Zn in water; and sulfide,
OM, total concentration and fractionation of Fe, Cu, Pb, and
Zn in soil were quantified. This experiment was performed in
triplicate for both Fsoil and Csoil.

Anoxic sewer sediment to aerobic suspended solid

This experiment was set to simulate the contaminated sedi-
ment being released to the river and suspended in an aerobic
water column. A selected contaminated sediment sample
which had high concentrations of heavy metals was used in
this study. The wet sediment sample was used to minimize the
loss of sulfide due to the reaction with oxygen and dehydra-
tion of some hydrated compounds (Koopmans and
Groenenberg 2011; Qi et al. 2014). This sediment sample
was separated into fine sediment particles (< 0.063 mm,
Fsed) and coarse sediment particles (0.063–2 mm, Csed) by
a wet sieving technique. The sieving water was prepared using
18-MΩ DI water purged with N2 to degas any dissolved oxy-
gen. The separated sediment samples were centrifuged to dis-
pel excess water. Then, both coarse and fine sediment samples
were measured for pH, ORP, sulfide, OM, total concentration
and fractionation of Fe, Cu, Pb, and Zn.

Fig. 1 Map of the Sue Yai Utit study area: a position of manhole and wastewater direction and b soil sampling position
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Then, the 20 g of wet sediment sample was mixed with
200mL of 18-MΩDIwater in a 250-mL glass bottle and aerated
continuously. The attached sediment on the glass wall above the
water surface was moved back to the water every day. The DI
water was filled to the control level every day to maintain sedi-
ment sample to water ratio. This experiment was performed in
triplicate for both coarse and fine sediment. After 2 months of
aeration, the sample was measured for the pH and ORP of the
system, and then water and sediment were separated by centri-
fuge before analysis for sulfate, COD, total concentration of Fe,
Cu, Pb, and Zn inwater; and sulfide, OM, total concentration and
fractionation of Fe, Cu, Pb, and Zn in sediment.

Measurement

The sample was dried as described earlier. The digestion was
performed following US-EPA 3050b guidelines described
here briefly. One gram of dried sample was transferred to a
100-mL beaker and placed on a hotplate. The sample was
repeatedly refluxed using HNO3 (65%, EMSURE®,
MERCK), then oxidized by 30% H2O2 (30%, MERCK) until
the general appearance of the sample was unchanged. Then, it
was refluxed with HCl (37%, EMSURE®, MERCK) for a
while. The sample was then filtered through Whatman no.
41 filters, transferred to a 50-mL volumetric flask, and diluted
by 18-MΩDI water. The water sample was digested following
US-EPA 3005a using HNO3 and HCl which were heated by a
hotplate. The digested samples were analyzed for Fe, Cu, Pb,
and Zn by inductively coupled plasma optical emission spec-
troscopy (ICP-OES, Plasma Quant® PQ 9000 Elite, Analytik
Jena). Reagent blanks and the analytical triplicates were used
to control the accuracy of the analysis.

A sequential extraction procedure proposed by the
Commission of the European Community Bureau of
Reference (BCR) was adapted for use in this study (Ure
et al. 1993); however, the US-EPA digestion procedure was
applied for the last extraction step because only the total en-
vironmental availability was considered in this study. The wet
sample was used to minimize the alteration of phase of the
heavy metals in the sample (Koopmans and Groenenberg
2011; Qi et al. 2014). The different extracting agents were
applied in each extraction step which is summarized here
briefly. First step is 0.11 M acetic acid (100%, EMSURE®,
MERCK). Second step is 0.1 M hydroxylammonium chloride
(96%, CARLO ERBA) adjusted with HNO3 to pH 2. Third
step is 30% H2O2 followed by ammonium acetate (98%,
QRëc) adjusted with nitric acid to pH 2. Fourth step is hot
acid digestion following US-EPA method 3050b. Following
this procedure, the heavy metals in the soil can be divided into
four fractions (Ure et al. 1993): (1) acid soluble/exchangeable
fraction or easilymobile fraction (F1), (2) reducible fraction or
metal bound to oxide of iron and manganese (F2), (3) oxidiz-
able fraction or metal bound to organic matter (F3), and (4)

residual fraction (F4) that is not released under normal natural
conditions. The extractant from each step was digested using
US-EPAmethod 3005a andmeasured by ICP-OES for Fe, Cu,
Pb, and Zn. The pseudo-total concentrations of metals were
the sum of F1, F2, F3, and F4.

Some important parameters influencing heavy metal frac-
tionation which quantified in this study were organic matter
which represent by OM, sulfide which represent by acid vol-
atile sulfide (AVS) and amorphous ferric oxide which was the
extracted iron during step 2 of BCR extraction. The OM was
measured by the Walkley–Black modified acid-dichromate
digestion-FeSO4 titration method. The AVS in the sample
was quantified by the method modified from Yekta et al.
(2012). An evaporating dish with plastic stand was set up in
a 250-mL wide mouth glass bottle. One gram of wet sample
and a magnetic bar were then placed into the bottle. The
10 mL of sulfide antioxidant buffer (SAOB) was filled up to
the evaporating dish. A sulfide antioxidant buffer (SAOB)
containing 2 M NaOH (100% EMPLURA®, MERCK),
0.1 M EDTA (100%, CARLO ERBA), and 0.1 M ascorbic
acid (99.96%, Fisher Scientific) was used to trap the evapo-
rated sulfide and prevent its evaporation and its reaction with
oxygen. Then, 20 mL of 1 M HCl (37%, EMSURE®,
MERCK) was added into the bottle and the lid was closed
instantly. The sample was stirred for 2 h, and then the
SAOB sample was taken for AVS measurement using a sul-
fide sensor (Ag/S ion selective electrode HI4015 HANNA
instruments). The sulfide solution was prepared from Na2S·
xH2O (30% as Na2S, PanReac AopliChem) in SAOB solution
and used for sensor calibration.

The aqueous COD, sulfate, and sulfide were quantified
following the method in standard methods for the
Examination of Water and Wastewater (Eaton et al. 2005),
which were the open reflux method, turbidimetric method,
and iodometric method, respectively. The pH meter
(inoLab® 740 connected with pH probe, WTW) and ORP
meter (pH 3210 with ORP electrode, WTW) were used to
measure the pH and ORP of the system, respectively.

Statistics

The statistical analysis was conducted using the SPSS pro-
gram (ver. 22). The t test was applied to examine the heavy
metal concentration in some interesting issues. The p value of
less than 0.05 was used to identify the significance level.

Results

Heavy metal contamination in sewer sediment

The sediment samples from manholes upstream (# 1 and #2)
and downstream (#5 and #6) were black in appearance with
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general mud smells. The sediment from manholes #3 and #4
were different, black in color with many e-waste fragments
(e.g., copper wire, circuit board, metal nut, etc.). During siev-
ing, both samples were quite viscous—especially for #4—and
bad smell of organic solvent were obvious, and thus it can be
surmised that both sediment samples #3 and #4 were contam-
inated by organic solvent. The heavy metal concentrations in
these sediment samples are shown in Table 1.

The concentrations of Fe, Cu, Pb, and Zn in sediments #1
#2, #5, and #6 were considered in the range of background
concentrations. The Zn concentrations in #1 and #5 were quite
high. Heavy metal concentrations in sediments #3 and #4
were far greater than in other samples. These results indicated
the serious contamination from e-waste dismantling activity to
sewer sediment in the dismantling zone. The contamination
may be caused by polluted surface soil and fragments of e-
waste which were transported to the sewer via surface runoff.
It should be noted that Pb concentration in sediment #3 was
incredibly high. However, the contamination downstream was
not as obvious as had been expected. The field survey found
that sewers in this e-waste dismantling area faced a clogging
problem for a long time, making this contaminated sediment
difficult to transport. Besides, the sewer lines from manhole
#2 to #6 and from #1 to #5 were the main sewer lines to the
river, thus, they were dredged every 1–2 years. Thus, the an-
ticipated elevated concentration of heavy metals was not
found in sediments #5 and #6.

Effect of environmental transformation
on the fractionation of heavy metals in soil
and sediment

Surface soil to anoxic sewer sediment

The composite soil samples were prepared as Fsoil and Csoil
as described in BEnvironmental transformation experiment..
The color of both samples was brown and similar to general
surface soil. The soil sample characteristics were shown in

Table 2 and the fractionation of heavy metals can be seen in
Fig. 2. Total concentrations of most heavy metals in the sam-
ples before and after the simulation were not significantly
different (p > 0.05). Almost all the total concentrations of each
heavy metal and their pseudo-total concentrations derived
from BCR extraction were not significantly different
(p > 0.05), except Pb in Fsoil after the simulation which
pseudo-total concentrations was 91.6% recovery comparing
to its total concentration.

Surface soil The OM of Fsoil was much higher than Csoil
which was greater than general soil in Bangkok (0.7–8.9%
OM, Wilcke et al. 1998). The high OM value was presumed
to be caused by contamination of organic solvent and oil re-
leased from some e-waste dismantling process. Sulfide was
not detected, indicating the oxidative condition of the pre-
pared soil sample.

Cu was distributed among all four fractions. The greatest
Cu component in the soil samples was in F4, followed by F3,
while some was in F2 and F1. The major Pb and Fe compo-
nents were in F4 (> 80%). Zn was fractionated among all four
fractions. However, F4 of Zn was least, while, F1 was greatest
among these four studied metals. The F4 of those metals were
quite high and their fractionation in Fsoil and Csoil was sim-
ilar. A distribution pathway of heavy metal contamination in
e-waste dismantling sites was proposed by Damrongsiri et al.
(2016), beginning with the deposition of e-waste scrap on to
the soil surface. It acts as a source of heavy metals which then
corroded and were released via natural processes and
redistributed among the soil material.

Soil after the anoxic sewer simulation After 2 months of an-
oxic sewer simulation, the soil was completely black in color
with a bad smell. The soil and water characteristics are shown
in Table 2 and the heavy metal fractionation is depicted in Fig.
2. The COD and sulfate of synthetic wastewater were mark-
edly reduced (86–88% for COD, 33–42% for sulfate) indicat-
ing the biological degradation activity in the simulated sys-
tem. The ORP of the Fsoil and Csoil systems were lower than
− 200 mV indicating that anoxic conditions were in place
(Mitsch and Gosselink, 2000) in the simulation. Under these
very low ORPs, the available ferric, sulfate, and some organic
compounds or carbon dioxide could be reduced. Obviously,
sulfide in soil was developed conform to the ORP value (less
than − 100 mV; Mitsch and Gosselink 2000). The OM in both
Fsoil and Csoil was increased, possibly due to growth in
microorganisms.

In comparison between situations before and after the sim-
ulation, the F4 (residual fraction) of every studied metal of
every sample was reduced significantly (p < 0.05), thus the
non-residual fraction was increased. For the non-residual frac-
tion, the change of Cu was obvious in that all Cu was in F3.
The non-residual fraction of Pb was not much changed,

Table 1 Heavy metal concentrations in sewer sediment samples
(mg kg−1)

Sediment sample Fe Cu Pb Zn

1 26,103 234 74 814

2 17,796 26 21 156

3 102,198 3641 34,976 3230

4 32,115 2030 506 3471

5 29,053 236 224 1053

6 13,433 146 93 440

Background value* 3900–26,700 5.1–283 12–269 3–814

*Derived from Damrongsiri et al. (2016) and Wilcke et al. (1998)
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predominantly in F3 and F2. Zn was still mainly in F1 and F2
but the F1 was increased while the F2 was decreased.

Generally, after the anoxic simulation, the residual fraction
was decreased. The F3 of Cu, Pb, and Zn were increased

Table 2 Parameters of soil and water in Fsoil and Csoil systems before and after the anoxic sewer simulation (average ± SD)

System—medium Fe (sediment:
mg kg−1) (water: mg L−1)

Cu (sediment:
mg kg−1) (water: mg L−1)

Pb (sediment:
mg kg−1) (water: mg L−1)

Zn (sediment:
mg kg−1) (water: mg L−1)

Surface soil

Fsoil—soil 63,208 ± 5986 13,319 ± 748 1974 ± 195 4341 ± 383

Csoil—soil 64,919 ± 4721 9956 ± 2417 1762 ± 93 2616 ± 392

Surface soil after
anoxic sewer simulation

Fsoil—soil 64,950 ± 3757 14,100 ± 420 1996 ± 32 4485 ± 74

Fsoil—water 0.69 ± 0.06 0.0027 ± 0.0050 0.0041 ± 0.0015 0.064 ± 0.007

Csoil—soil 68,073 ± 5154 9339 ± 1001 1623 ± 76 2122 ± 210

Csoil—water 1.44 ± 0.40 0.0031 ± 0.0050 0.0042 ± 0.0026 0.072 ± 0.004

System—medium OM (sediment: %)
COD (water: mg L−1)

Sulfide (sediment:
mg kg−1) (water: mg L−1)

Sulfate (mg L−1) ORP (mV) pH

Surface soil

Fsoil—soil 16.0 ± 0.9 nd* – – 6.96 ± 0.05

Csoil—soil 3.4 ± 0.3 nd – – 6.93 ± 0.05

Surface soil after
anoxic sewer simulation

Fsoil—soil 21.1 ± 1.4 2222 ± 138 – − 350 ± 41 8.05 ± 0.02

Fsoil—water 406 ± 50 2.13 ± 0.23 1741 ± 111

Csoil—soil 7.0 ± 1.1 1825 ± 241 – − 277 ± 38 8.06 ± 0.08

Csoil—water 358 ± 37 1.23 ± 0.67 2012 ± 234

*Detection limit of sulfide was 10 mg kg−1

Fig. 2 Fractionation of Cu, Pb,
Zn, and Fe in surface soil before
and after the anoxic sewer
simulation
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clearly, and the F2 of Pb, Fe, and especially Zn was also
increased. The F1 of Cu, Pb, and Zn seems reduced while
the F1 of Fe was emerged.

Anoxic sewer sediment to aerobic suspended solid

A high concentration of heavy metals was found in the sedi-
ment samples from manholes #3 and #4. However, the wet
sieving could not be carried out for sediment #4 due to the
viscosity of the sample that was possibly caused by the con-
tamination with oil. Thus, sediment #3 was used in this exper-
iment. After the preparation, the sample was still totally black
with the bad smell of sulfide and organic solvent. The charac-
teristics of the prepared sediment samples—Fsed and Csed—
are shown in Table 3 and the fractionation of heavy metals is
shown in Fig. 3. Total concentrations of heavy metals in each
sample before and after aeration were not significantly differ-
ent (p > 0.05). All the total concentrations of each heavy metal
and their pseudo-total concentrations from BCR extraction in
all samples were not significantly different (p > 0.05).

Sewer sediment The ORP of the sieved sediment samples was
less than − 100 mV which was in the range that indicates
sulfate reduction. The sulfide was quite high (about
10,000 mg kg−1) compared to other observations (500–
16,000: Larner et al. 2008; Peng et al. 2004; Yu et al. 2001).
The measured OM was irregularly high (naturally OM is less
than 5%: Hou et al. 2013; Peng et al. 2004; Yu et al. 2001),

especially for Fsed. This high OM was anticipated to be the
result of contaminated organic liquid and some plastic frag-
ments in this sediment sample. The concentration of all stud-
ied heavy metals in Fsed was higher than in Csed. Fine-
grained soil or sediment generally contains higher heavymetal
concentrations due to its large surface area and large surface
activity which enhance adsorption properties (Bradl 2004;
Houhou et al. 2009). The stable form of Cu was small while
most of the non-residual fraction was in F3, similar to other
studies on anoxic sediment from rivers and lakes (Hou et al.
2013; Kelderman and Osman 2007; Larner et al. 2008; Peng
et al. 2004; Sobczynski and Siepak 2001; Yu et al. 2001). The
concentration of lead in Fsed was enormous. Most of the non-
residual fraction of lead in Fsed was in F3 while for Csed it
was distributed in F3 and F2. Various distribution patterns of
the non-residual fraction of lead in anoxic sediments were
disclosed in the literature (Hou et al. 2013; Kelderman and
Osman 2007; Larner et al. 2008; Peng et al. 2004; Sobczynski
and Siepak 2001; Yu et al. 2001), which related to various
sediment parameters and heavy metal contents in soil. Most
of the Zn was in non-residual fractions which were distributed
in F3 and F2 for Fsed and extended to F1 for Csed. Similar to
lead, various distribution patterns of Zn in sediment samples
have been reported (Hou et al. 2013; Kelderman and Osman
2007; Larner et al. 2008; Peng et al. 2004; Sobczynski and
Siepak 2001; Yu et al. 2001). Iron in this contaminated sewer
sediment was mainly in F4 and F1, which differed from other
studies (Sobczynski and Siepak 2001; Yu et al. 2001) in that

Table 3 Parameters of sediment and water in Fsed and Csed systems before and after aeration (average ± SD)

System—medium Fe (sediment: mg kg−1)
(water: mg L−1)

Cu (sediment: mg kg−1)
(water: mg L−1)

Pb (sediment: mg kg−1)
(water: mg L−1)

Zn (sediment: mg kg−1)
(water: mg L−1)

Sediment

Fsed—sediment 118,212 ± 8978 7180 ± 636 53,182 ± 2578 6487 ± 472

Csed—sediment 119,549 ± 26,674 5113 ± 518 4830 ± 445 2037 ± 328

Sediment after aeration

Fsed—sediment 102,540 ± 4243 6506 ± 170 53,342 ± 1764 6235 ± 219

Fsed—water 0.0830 ± 0.0055 0.0051 ± 0.0021 0.0414 ± 0.0202 0.2796 ± 0.0589

Csed—sediment 139,553 ± 34,113 5067 ± 895 4830 ± 711 1528 ± 205

Csed—water < 0.001 0.0108 ± 0.007 0.0112 ± 0.0104 0.0994 ± 0.0057

System—medium OM (sediment: %)
COD (water: mg L−1)

Sulfide (sediment:
mg kg−1) (water: mg L−1)

Sulfate (mg L−1) ORP (mV) pH

Sediment

Fsed—sediment 48.5 ± 1.1 10,185 ± 179 – − 238 ± 21 7.20 ± 0.15

Csed—sediment 26.5 ± 3.1 3636 ± 490 – − 172.3 ± 21 7.44 ± 0.13

Sediment after aeration

Fsed—sediment 17.8 ± 5.3 4686 ± 103 – 243 ± 38 7.10 ± 0.05

Fsed—water 47.1 ± 12.64 1.86 ± 0.93 1396 ± 124

Csed—sediment 3.7 ± 0.6 535 ± 33 – 259 ± 40 7.19 ± 0.05

Csed—water 41.8 ± 5.29 1.61 ± 0.79 674 ± 44
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the non-residual fraction of iron was mostly associated with
sulfide (F3) and iron oxide (F2) and could be found as derived
from the oxic surface of the sediment (Yu et al. 2001).

Sediment after aeration After aeration, the OM and sulfide in
the sediment were reduced largely. The COD of water ap-
peared, indicating the presence of dissolved oil or organic
compounds from the sediment or suspended microorganisms.
The sulfate was emerged, indicating the oxidation of sulfide
compounds in the soil. The release of heavy metals into water
was very limited. The fractionation of Cu in soil was still in
F3. Pb in F3 was decreased, especially for Fsed, while F1 was
emerged. The F3 and F2 of Zn were decreased while the F1
was increased. The F4 of Fe was increased while the F1 was
decreased in contrast with Pb and Zn.

Discussion

Considering the experimental results, the fractionation of Cu,
Pb, Zn, and Fe in the same environment exhibited similar
tendencies which could be divided into different issues for
consideration.

The pH was not changed markedly

The anoxic simulation used highly biodegradable organic sub-
strate and high sulfate resulting in small increase of pH (6.9–

8.0). The pHwas elevated a little due to the high concentration
of organic substances and high Fe concentration which con-
sumes protons during the ferric reduction process (Mitsch and
Gosselink 2000). In contrast, the aeration of sewer sediment
resulted in a small decrease in average pH but this was not
significant (p < 0.05) for the Fsed system. There are many
aerobic reactions that conduce to opposite consequences; the
oxidation of sulfide produces protons while the oxidation of
Fe2+ consumes protons (Mitsch and Gosselink 2000). The
changing of pH is very complex and is related to the various
chemical reactions. However, the natural soil materials have
great buffering capacity and thus the generally occurring bio-
logical reactions would not alter the pHmarkedly (Mitsch and
Gosselink 2000).

Residual and non-residual fraction of metals

Based on these study results, the high or greater proportion of
F4 tends to be related to oxidative environments. The aeration
of sewer sediment resulting in the increase of F4 of almost all
samples (p < 0.05, except Cu in Fsed), especially for Fe,
conformed to the study of Larner et al. (2008). In contrast,
the low or reduced residual fraction seems to be related to
reductive environments. The decrease of F4 was found in soil
samples from the anoxic sewer simulation which conforms to
the study of El Samrani et al. (2004) and Houhou et al. (2009)
who found that the surface of metal fragments was sulfurized
when submerged in anoxic sediment.

Fig. 3 Fractionation of Cu, Pb,
Zn, and Fe in sewer sediment
before and after aeration

Environ Sci Pollut Res (2018) 25:11800–11811 11807



Form of Fe

At basis, the major non-residual fraction of soil Fe in the
oxidative environment was ferric oxide (Fe2O3) which was
present in F2 (amorphous ferric oxide) and F4 (crystallized
ferric oxide), while for the reductive environment it was fer-
rous sulfide (FeS) which was present in F3 of our applied
sequential extraction.

The aeration of sediment represented a change from a re-
ductive environment to an oxidative one. However, the result
was not as expected whereby F2 of Fe was not extended. It
may be described that when the sediment was altered to an
oxidative condition, Fe2+ was oxidized to Fe3+, then Fe3+

would be adsorbed or precipitated as Fe(OH)3(s). However,
the Fe2O3 (F2) would be formed by the dehydration of
Fe(OH)3(s), thus could not occur in a submerged system.
Nevertheless, the extended form of F4 was found and it was
still curious. Similar findings arose in the study of Larner et al.
(2008) in which the sediment was exposed to the air.

Under the reductive environment of the anoxic sewer
sediment simulation, the ORP of system was lower than −
100 mV indicating that the ferric reduction and sulfate
reduction took place. The resulting Fe2+ may dissolve into
flowing aqueous solution (Hartley and Dickinson 2010)
or would be redistributed among chemicals and materials
in the soil. The developed Fe2+ generally binds with sul-
fide and precipitates as FeS that is a general form of metal
sulfide in anoxic sediments (Guo et al. 1997; Sobczynski
and Siepak 2001; Yu et al. 2001). However, FeS, which is
represented by F3 of Fe, was not formed in our experi-
ment—not as expected—but presented in weaker bonds as
F1 and F2 indicating that Fe2+ is rather adsorbed to soil
materials (this will be discussed later).

Distribution of Cu, Pb, Zn, and Fe in an anoxic
environment

There were similar distribution patterns in the heavy metal
fractionation of sewer sediment and soil simulating anoxic
conditions: (1) most of the non-residual fractions of Cu were
F3, (2) Pb was distributed primarily in F3 and F2, (3) Zn was
distributed in F1 to greater extent than Pb, and (4) Fe was
absent or very slightly associated to F3 while present in F1.

The development and breakdown of soil sulfide during the
experiment and the transformation of its heavy metal fraction-
ation indicate its important role in this study. Generally, the
metal sulfides in soil are iron-sulfide compounds. It is the
primary natural heavy metal in reductive soil (De Jonge
et al. 2011). The Fe concentration in soil was generally greater
than 10,000mg kg−1, while the others were generally less than
1000 mg kg−1; for example, the background metal concentra-
tions in the study area were 17,000 mg kg−1 for Fe,
370 mg kg−1 for Mn, 230 mg kg−1 for Zn, 90 mg kg−1 for

Cu, and 70 mg kg−1 for Pb (Damrongsiri et al. 2016).
However, the iron-sulfide compound (represent by F3 of Fe)
was mostly not observed in contaminated soil or sediment in
this study. This unusual finding was probably related to the
presence of other heavy metals rather than Fe (Cu, Pb, and Zn)
that were present in much greater than normal quantities in the
soil (Tables 2 and 3).

In general, as the reaction between sulfide and metal was
very fast and very strong, if the sulfide/heavy metals mole
ratio was greater than 1, the heavy metals were assumed to
be bonded with sulfide and not available to organisms, or
considered non-toxic to the environment (Yu et al. 2001;
Zhang et al. 2014). The concentrations of heavy metals and
sulfide in mole units of the study soil and sediment are shown
in Table 4.

The values in Table 4 showed that the contaminated soil
and sediment in this study had less sulfide concentration than
heavy metals. Thus, the association of sulfide with these
heavy metals should be related to the formation and precipi-
tation competency of these solid metal sulfides. The solubility
product constant (Ksp) is the equilibrium constant for a solid
substance in an aqueous solution which represents the maxi-
mum extent to which a solid can be dissolved in solution. As
the forms of metal sulfide related to this study were similar
(FeS, CuS, PbS, and ZnS), the reaction quotient of metal sul-
fides could be expressed by similar equations: reaction
quotienti = metali concentration × sulfide concentration,
where Bi^ represents certain metal species. If its reaction quo-
tient was greater than its Ksp, its precipitate would be formed.
Thus, a metal sulfide which has a lowerKsp would more easily
form a solid precipitate. The Ksp values for the studied metals
from low to high were CuS = 10–35.96, PbS = 10–28.05, ZnS =
10–21.97, and FeS = 10–16.84 (Benjamin 2002). The Ksp of CuS
was far lower than the other metal sulfides (almost 20 times
lower than FeS). Thus, based on these Ksp, sulfides in the
system would chemically form principally with Cu, then
followed by Pb, Zn, and Fe.

However, for the soil samples, moles of sulfide were less
than Cu, and thus it could not associate with all the non-
residual Cu and certainly not with Pb and Zn which have a
higher Ksp. Thus, the soil fractionation result would become
irrational. As a matter of fact, Cooper andMorse (1998) found
that FeS, PbS, and ZnS could be dissolved by 1 M of HCl but
it was low for Cu-sulfide due to its very strong bond.
Therefore, the measured sulfide in this study was not total
sulfide in soil since it was highly contaminated by Cu, but
presumed to be derived from PbS, ZnS, and a part of Cu-
sulfide.

In addition to sulfide, the metals associated with organic
matter were also extracted in F3. Organic matter in soil could
complex and sorb heavy metals in soil via its negative func-
tional group resulting in various immobilization mechanisms.
The sequence of heavy metal capability to associate with
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organic matter could be estimated by the stability constant of
metal-fulvic acid (FA): Cu-FA = 105.8, Pb-FA = 103.1, Zn-FA
= 101.7 (Stevenson and Ardakani 2010). A higher value of
stability constant indicated a greater capability to form
metal-FA compounds that was in the same order with metal
sulfides.

Iron oxide is a major sink of heavy metals among soil
materials. The study of Gadde and Laitinen (1974) demon-
strated that oxides of iron could sorb Pb to a greater extent
than Zn which conforms to this study result that the F3 frac-
tion of Pb was larger than that of Zn. However, differences in
the fractionation of Pb and Zn were found in many studies
(Hartley and Dickinson 2010; Kelderman and Osman 2007;
Peng et al. 2004; Sobczynski and Siepak 2001) dependent on
the concentration of Pb and Zn in soil. Carbonate is another
compound affecting the form of metals in soil, especially for
Pb which particularly bonds and precipitates with carbonate
(Hou et al. 2013). However, the carbonate content was not
quantified in this study.

The sequence of metal association described earlier was
quite consistent with the metal fractionation in these samples.
The non-residual fractions of metals were primarily bonded to
sulfide. Most non-residual fractions of Cu were in F3 due to
the very low Ksp of CuS, high stability constant of Cu-FA, and
very high Cu concentration in these samples. The remaining
sulfide and organic matter were then associated by Pb and Zn.
The reason why there was no Fe in F3 was that there was not
enough sulfide and organic matter to make any association
with Fe due to it having much less bonding competence than
Cu, Pb, and Zn; thus, it was redistributed to F1. The latter Pb
and Zn were then fractionated to F2 that was associated with
ferric oxide, and F1 which was carbonate bonded and in-
volved general ion adsorption. The proportion of F2 to F1 of
Pb was greater than Zn due to the stronger association of Pb
(Gadde and Laitinen, 1974). This was one reason why F1 of
Zn was usually found in greater proportions than other metals.

Distribution of Cu, Pb, Zn, and Fe in aerated sediment

The distribution patterns of heavy metal fractionation in soil
and aerated sediment which was an oxidative condition were
described earlier. Their F3 fractions in oxidative conditions
were obviously less than that in reductive conditions. There

were two interesting alterations—not as expected—during the
aeration of sewer sediment: (1) the non-residual fraction of Cu
was still mostly in F3 and (2) the F3 of Pb and Zn decreased
and redistributed to F1.

The fraction of Cu before and after aeration was still the
same and mostly in F3. The study of Zhou et al. (1999) found
that Cu-sulfide was not oxidized after exposure to aerated
water for 35 days. Thus, the stable form of Cu in this study
was believed to be a Cu-sulfide compound.

The decreasing tendency of Pb and Zn in F3 after exposure
to oxidizing conditions was found to conform to the study of
Kelderman and Osman (2007) due to the oxidization of sul-
fide and degradation of organic matter. The Pb and Zn were
released into water (Hartley & Dickinson, 2010) and
redistributed to soil material. Normally, the heavy metal in
an oxidative environment would be mainly distributed in F2
associating to ferric oxide. However, F2 of Pb and Zn in this
study was decreased. This F2 decreasing trend was also ob-
served by Kelderman and Osman (2007). Nevertheless, due to
the ferric oxide probably not forming in the submerged con-
dition as described earlier, the released Pb and Zn were then
adsorbed to other soil materials having weaker bonds that
redistributed to F1. Thus, the F1 of Pb and Zn of the sediment
samples was expanded after aeration. However, the increase
of residual Fe remains a question.

Conclusion

This study discloses the contamination problem in sewer sed-
iment located in an e-waste dismantling area. The sediment
was contaminated with high concentrations of Cu, Pb, Zn, and
unknown organic oil. The Fe in soil was greatly elevated as
well. Many e-waste fragments were also found mingled in the
sediment samples.

This study revealed that when heavy metal contaminated
soil was transferred to a reductive environment, the metal
fractionation was redistributed based on the chemicals of the
sediment that tend to associate into F3 > F2 > F1. The redis-
tribution was also related to the capability of heavy metals to
associate with each compound. Sulfide played an important
role in this anoxic condition. The F4 of heavy metals tends to
be decreased via sulfurization.

Table 4 Concentration of heavy
metals and sulfide in
contaminated soil and sediment
samples after the anoxic
simulation

Sample
Fe
(mmol kg−1)

Cu
(mmol kg−1)

Pb
(mmol kg−1)

Zn
(mmol kg−1)

*Total
(mmol kg−1)

Sulfide
(mmol kg−1)

Fsoil 1164.0 222.1 9.6 68.6 1464.2 69.4

Csoil 1220.0 147.1 7.8 32.5 1407.3 57.0

Fsed 2118.5 113.1 269.8 99.2 2600.6 318.3

Csed 1924.3 80.5 23.3 31.1 2059.3 113.6

*Total was the summation of Fe, Cu, Pb, and Zn concentration
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If these contaminated anoxic sediments were transported to
a more oxidative environment, these heavy metals would be
released due to the metal sulfide being oxidized—except Cu-
sulfide—and redistributed again among those new environ-
ment media. The ferric oxide may not be developed under this
submerged condition. The redistribution under an oxic envi-
ronment became F1 > F2 > F3 indicating the greater availabil-
ity of these forms.

This study indicated the effects of environmental condition
on the fractionation of heavy metals in soil and sediment
which could occur at any source of heavy metal contamina-
tion. The alteration of fractionation results in changes in its
mobility and environmental availability and this should be
considered for the management and control of heavy metal
contamination.
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