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Abstract Pore water plays a more significant role than do
sediments in pollutant cycling dynamics. Also, concentrations
of pollutants in pore water provide important information
about their bioavailability or eco-toxicity; however, very few
studies have focused on this topic. In this study, four duplicate
sediment cores from three typical northern bays as well as the
central part of Taihu Lake were collected to investigate the
distribution, diffusive fluxes, and toxicity of heavy metals
and polycyclic aromatic hydrocarbons (PAHs) in pore water
profiles, which will be good in understanding the mobility and
toxicity of these toxic pollutants and achieving better environ-
mental management. The diffusive fluxes of heavy metals
across the sediment-water interface was estimated through
Fick’s First Law, and the toxicity of heavy metals and PAHs
in pore water was assessed by applying a water quality index
(interstitial water toxicity criteria unit, IWCTU) and a hazard
index (HI), respectively. The average concentrations of Cr,

Cu, Ni, Pb, and Zn in surface pore water were 18.8, 23.4,
12.0, 13.5, and 42.5μg L−1, respectively. Also, concentrations
of the selected heavy metals in both overlying water and pore
water from Taihu Lake were all lower than the standard values
of the environmental quality standards for surface water. The
concentrations as the pore water depth increased, and the
highest detected concentrations of heavy metals were record-
ed between 3 and 5 cm below the sediment surface. The av-
erage diffusive fluxes of these metals were 27.3, 24.8, 7.03,
7.81, and −3.32 μg (m2 day)−1, respectively, indicating export
from sediment into overlying water, with the exception of Zn.
There was a potential risk of toxicity, mainly from Pb and Cu,
indicating that heavy metals in pore water had slight to mod-
erate impact on sediment-dwelling organisms by values of the
IWCTU and the Nemeraw index. The total PAH concentra-
tions in pore water were higher than those in overlying water,
and such gradient implies a potential flux of PAHs from pore
water to overlying water. The average HI value of PAHs in
surface pore water showed no or low ecological risk. While
there may be occasional risk due to the HI values in some sites
being greater than 1, the dominant contributors were carcino-
genic PAHs. Because of their potential biological impact,
heavy metals and PAHs and their comprehensive toxic effects
in pore water should be given priority attention to keep the
safety of Taihu Lake.

Keywords Diffusive flux . Heavymetals . PAHs . Pore
water . Taihu Lake . Toxicity

Introduction

The discharge of industrial effluent induced by intensive ur-
banization and economic development in recent years has led
to a substantial increase in the concentrations of pollutants
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(e.g., nutrients, heavy metals, and organic contaminants) in
riverine, lacustrine, and marine sediment (Von der Heyden
and New 2004; Gao et al. 2015). Therefore, aquatic sediments
are often recognized as a major sink for these pollutants. Pore
water, the water that fills the interspace between the sedimen-
tary grains, has been shown to supply dissolved contaminants
to the water column through the sediment-water interface
(Santos-Echeandia et al. 2009; Polizzotto et al. 2008).
Therefore, pore water plays important geochemical and eco-
logical roles in the cycling dynamics of pollutants, which were
regarded as the Bmedium^ for pollutants exchange both in
sedimentary particles and overlying water (Escher and
Hermens 2004). In addition, the fraction of pollutants in pore
water is considered to be more biologically available than the
sedimentary fraction in the aquatic environment (Harmsen
2007). Once there are exchanges across the sediment-water
interface, pollutants in pore water can be released to the water
column via chemical or biological processes and then pose a
potential risk to sediment-dwelling organisms and ecosys-
tems. This interaction is particularly prominent for shallow
lakes, which frequently undergo strong changes in both hy-
draulic and physical-chemical conditions due to wind-wave
action (Zhu et al. 2005).

Taihu Lake, a typical shallow lake with an average depth of
1.9 m, is located in the Yangtze River Delta and is the third
largest freshwater lake in China (Zhang et al. 2012). This lake
serves a variety of functions, such as supplying drinking wa-
ter, flood control, shipping, fisheries, and tourism (Qin et al.
2007). However, with rapid industrialization and urbanization,
anthropogenic pollutants derived from household, industrial,
and agricultural activities in the surrounding metropolis have
been discharged into the lake, especially for the northern bays,
leading to a serious deterioration of water quality of the lake.
In addition, increasing energy consumption, combined with a
lack of effective management and technical measures in this
region during the last several decades, has caused dramatic
increases in the concentrations of some toxic pollutants, such
as heavy metals and polycyclic aromatic hydrocarbons
(PAHs), in the sediments of Taihu Lake (Liu et al. 2009; Tao
et al. 2012).

Several publications have reported on the occurrence of
heavy metals or PAHs in sediments or water matrices from
Taihu Lake. For instance, a comprehensive exploration on
heavy metal status in surface sediments from Taihu Lake
had been conducted by Tao et al. (2012), and the results indi-
cated that the sediments in the Lake were widely contaminated
with heavy metals and probably pose potential ecological
risks. Zhang et al. (2011) found that the total PAH concentra-
tions in overlying water and pore water were more than
10,000 ng L−1 and the northern bays of Taihu Lake were the
most heavily polluted areas. However, most of these re-
searches just focused on the spatial characteristics of pollution
in surface sediments, and little information about the diffusive

flux or toxicological risk of these toxic pollutants in pore
water profiles could be acquired. In addition, supplying drink-
ing water for large cities (such as Shanghai City and Wuxi
City) is one of the most important functions of Taihu Lake
(Tao et al. 2010). Therefore, exploring the distribution and risk
of toxic pollutants in pore water profiles from the heavily
polluted areas of Taihu Lake is necessary to protect these
water resources and human health.

Here, three typical northern bays as well as the central part
of Taihu Lake were selected to (a) investigate the distributions
of 5 heavy metals and 16 priority PAHs in pore water profiles,
(b) estimate the diffusive fluxes of heavy metals across the
sediment-water interface, and (c) assess the toxicity of heavy
metals and PAHs in pore water. The results will be helpful in
better understanding the mobility and toxicity of heavy metals
and PAHs in the lacustrine ecosystem, which aim to achieve a
more highly targeted environmental management for this im-
portant region.

Materials and methods

Sediment sampling

The northern bays of Taihu Lake are heavily impacted urban
bays, with inputs of contaminants from numerous anthropo-
genic sources. Three bays including Zhushan Bay (ZS),
Meiliang Bay (ML), and Gonghu Bay (GH) were selected as
study areas, and the central part of the Lake (CL) was sampled
for comparison purposes (Fig. 1). At each site, two duplicate
sediment cores were collected in November 2014 to determine
heavy metals and PAHs in pore water and the corresponding
overlying water, respectively. Samples were taken by a sedi-
ment core sampler (Corer 60; Uwitec, Austria) with a length
of 60 cm and an inner diameter of 6 cm. Special core catch
(ball) works automatically without faulty messenger, and the
sediment cores could be taken from the bottom of aquatic
systems with minimal disturbance to the sediment-water inter-
face. Sediments, as well as the overlying water and pore water
as a whole, will be simultaneously collected and the original
status maintained as much as possible.

Sample extraction

When analyzing heavy metals, overlying water was sucked
out at a 5-cm interval using a siphon pre-immersed in nitric
acid within 48 h of sampling. Then, the top 5 cm of the sed-
iment core at each site was divided into 0.5-cm slices and the
remainder was cut into 1-cm slices. In order to acquire a high-
enough volume of pore water for the analysis of PAHs, over-
lying water was taken as a whole without stratification and the
fresh sediment core was sectioned in 5-cm slices. All sub-
samples of fresh slices were centrifuged to obtain pore water
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by high-speed centrifugation (4000 rpm for 30 min). Both
overlying water and pore water samples were filtered and then
stored in the dark at 4 °C until further analysis.

When measuring PAHs in liquid samples, both overlying
water and the isolated pore water were concentrated by solid-
phase extraction (SPE) with Sep-Pak C18 cartridges (6 mL,
500 mg; Waters). The details of this procedure were described
in a previous publication (Zhang et al. 2011). Briefly, the
cartridges were mounted on a 12-port Visiprep SPE Vacuum
Manifold (<20 mmHg vacuum; Supelco, USA). Disposable
liners were applied to eliminate the risk of cross-
contamination and maintain reproducible extractions by con-
trolling the eluent’s flow rate. The C18 cartridges were
preconditioned sequentially by ethyl acetate, methanol, and
distilled water (the volume of each solvents were 5 mL) prior
to use. Filtered liquid samples spiked with surrogates were
loaded onto cartridges with vacuum by keeping the flow rate
of the eluent close to 8 mLmin−1 and followed by eluting with
4 mL of 1:1 dichloromethane/hexanes and 4 mL of hexanes.
The extract was condensed to less than 1 mL with rotary
evaporation, solvent-exchanged to hexanes, and again

concentrated to less than 1 mL. Anhydrous sodium sulfate
was used to remove water residue. The extract was finally
concentrated to 200 μL under gentle nitrogen stream for
analysis.

Instrumental analysis and quality control and assurance

The concentrations of five heavy metals (Cr, Cu, Ni, Pb, and
Zn) were determined by inductively coupled plasma-mass
spectrometry (ICP-MS, 7500a; Agilent Technologies, USA)
with limits of detection of 0.015–0.120 μg L−1. A laboratory
quality control systemwas applied to ensure the validity of the
analytical data and the precision of experimental methods,
which included reagent blanks and replicate samples. The
results of the duplicate analyses demonstrated excellent repro-
ducibility for the method and equipment, and the relative stan-
dard deviation was less than 10 %.

The following 16 priority PAHs were selected as target
compounds in the analysis: naphthalene (Nap), acenaphthyl-
ene (Acy), acenaphthene (Ace), fluorene (Fluo), phenanthrene
(Phe), anthracene (Ant), fluoranthene (Flua), pyrene (Pyr),

Jiangsu Province

Beijing

Zhejiang Province

Fig. 1 Sampling sites of
sediment cores from the northern
bays and the central part of Taihu
Lake
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benzo[a]anthracene (BaA), chrysene (Chry), benzo[b]-fluo-
ranthene (BbF), benzo[k]fluoranthene (BkF), benzo-[a]pyrene
(BaP), indeno[1,2,3-c,d]pyrene (IncdP), dibenz[a,h]-anthra-
cene (DBA), and benzo[g,h,i]perylene (BghiP). Their physi-
cal and chemical properties are shown in Table S1. The PAHs
were quantified by a Clarus SQ 8 GC-MS (PerkinElmer,
USA) equipped with a DB5-MS column (30 m × 0.25 mm
diameter, 0.25 μm film thickness). High-purity helium was
used as the carrier gas, with a column flow rate of
1.2 mL min−1 in constant-flow mode. The temperatures of
injector, ion source, and transfer line were 280, 230, and
250 °C, respectively. The GC temperature program was set
as follows: initially at 80 °C for 1 min, increased to 150 °C at
20 °C min−1, and held for 6 min, then increased to 250 °C at
10 °Cmin−1 and held for 12min, finally increased to 290 °C at
30 °C min−1, and held for 6 min. The electron impact energy
was set at 70 eV. Onemicroliter of each sample was injected in
splitless mode. A satisfactory separation of the 16 PAH targets
could be achieved in total ion chromatogram and in the select-
ed ion monitoring (SIM) mode (Fig. S1). Peak confirmation
and quantification of PAHs were analyzed in the SIM mode.

The experiments were subject to strict quality control pro-
cedures. Quantification of samples was performed using an
external standard method, and the correlation coefficients for
the 16 priority PAHs ranged from 0.996 to 0.999. The PAHs in
the blanks were not detected or much lower than the detection
limits (1.0–10 ng L−1). Besides, samples spiked with known
amounts of surrogate standard mixtures (naphthalene-d8,
acenaphthene-d10, phenanthrene-d10, chrysene-d12, and
perylene-d12) were alsomeasured to estimate the repeatability
and accuracy of the analytical method. The values of mean
recoveries and the relative standard deviation of surrogates in
the water matrixes were 71.8 ± 3.5 % (naphthalene-d8),
81.3 ± 8.5 % (acenaphthene-d10), 94.0 ± 7.3 % (phenan-
threne-d10), 89.4 ± 10.8 % (chrysene-d12), and
88.9 ± 8.0 % (perylene-d12) (n = 5), respectively. The differ-
ence between duplicate samples of all target chemicals was
less than 15 %.

All experimental analyses were conducted in the State Key
Laboratory of Environmental Aquatic Chemistry, Research
Center for Eco-Environmental Sciences, Chinese Academy
of Sciences. This State Key Laboratory was certified by
China Metrology Accreditation with certificate no.
2014003240K (validity—September 28, 2014 to September
27, 2017) to ensure the authenticity of data and present the
results for demonstration purposes. Replicate water samples
(n = 5) spiked with 16 PAH targets using spiked matrix sam-
ples were also measured by another certified laboratory
(Beijing China Tech Inman Environmental Testing &
Research Center, certificate no. 201410484U). The results
showed that the recoveries of PAH compounds of spiked wa-
ter samples from two certified laboratories were mostly be-
tween 80 and 120 % (Fig. S2), which fitted in with the regular

recovery range recommended by the USEPA (70–120 %)
(USEPA 1996).

Diffusive flux across the sediment-water interface

Molecular diffusion of contamination across the sediment-
water interface is driven by the chemical concentration gradi-
ent, so the diffusive flux of dissolved contaminants from pore
water to overlying water can be estimated through Fick’s First
Law on this assumption (Tro 2001; Campanha et al. 2012).

F ¼ φ� Ds � ∂c
∂x

ð1Þ

where F (μg m−2 day−1) is the diffusive flux across the
sediment-water interface andφ (dimensionless) is the porosity
of the surface sediment and can be approximately estimated
by the water content (Avnimelech et al. 2001). Ds (cm

2 s−1) is
the sediment diffusion coefficient of the species derived from
the diffusion coefficient D0 (cm

2 s−1) of the species at infinite
dilution:

Ds ¼ φD0 φ < 0:7ð Þ ð2Þ
Ds ¼ φ2D0 φ > 0:7ð Þ ð3Þ

The values ofD0 for five heavy metals were adopted from a
previous report (Yuan-Hui and Gregory 1974). ∂c

∂x
(μg L−1 cm−1) is the gradient of contamination across the
sediment-water interface and can be estimated from pore wa-
ter profiles with the assumption that the gradient is one-
dimensional (Kalnejais et al. 2015; Liu et al. 2014).

Unfortunately, the diffusion coefficient of individual PAH
was not available, and the vertical resolution of PAHs (5 cm)
across the sediment-water interface was not high enough to
quantitatively calculate the diffusive influx at this time.

Toxicity of heavy metals and PAHs in pore water
to aquatic organisms

A water quality index (interstitial water toxicity criteria unit,
IWCTU) was applied to examine the toxicity of heavy metals
in pore water (Adams et al. 2007):

IWCTUMe ¼ Me½ �i:w:
FCVMe

ð4Þ

where [Me]i.w. represents the concentration of the selected
heavy metal (Me) in pore water (mg L−1) and FCVMe

(mg L−1) is the hardness-dependent final chronic toxicity val-
ue for each metal (USEPA 1999; Liu et al. 2003), and this
index was calculated by the equations shown in Table S2.
The Nemeraw index (NI) was calculated by ΣIWCTUMe to
assess the toxicity of heavy metals in pore water. The grade of
this toxically risk index could be classified into five ranks, no
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impact, slight impact, moderate impact, strong impact, and
serious impact, based on the NI values of <1, 1–2, 2–3, 3–5,
and 5, respectively (Liu et al. 2003).

NI ¼ IWCTUmaxð Þ2− IWCTUmeanð Þ2
2

" #1=2

ð5Þ

As for PAHs, a hazard quotient was used to evaluate the
toxicity of PAHs in pore water. This index was based on the
estimated concentration of each PAH in pore water divided by
its chronic toxicity value. Hazard quotients for all of the PAHs
detected were summed to produce a hazard index (HI) for total
PAHs:

HQ ¼ PAHð Þsol=chronic value ð6Þ
HI ¼ ΣHQ ð7Þ

Chronic toxicity value of individual PAH was adopted
from a previous publication (Neff et al. 2005). An HI value
greater than 1 indicates that pore water contains concentra-
tions of total PAHs in excess of their estimated chronic toxic-
ity to aquatic organisms (Ozretich et al. 2000).

Statistical analysis

Two-tailed t test was used to compare the average concentra-
tions between samples in the present study, and the
Kolmogorov-Smirnov test for normality was conducted by
using the SPSS Statistics 19.0 software. A critical p value of
0.05 was taken to indicate significance. The relationships be-
tween the toxicity (NI) and their corresponding concentrations
of heavy metals in overlying water and pore water were de-
termined by Origin Pro 8.0 with a linear fitting model. The
map of the sediment core sampling sites was produced using
Arc GIS 10.0 program.

Results and discussion

Occurrence and distribution of heavymetals in pore water

The distribution of heavy metals showed spatial and vertical
variability in overlying water and pore water profiles (Fig. 2).
Concentrations of heavy metals were basically stable as depth
increased in overlying water except for Cr and Zn at ZS and
Zn at GH, both of which showed a tendency to fluctuate
across the sediment-water interface. Average concentrations
from all four sties varied in the following order: Zn
(40.9 μg L−1) > Cr (11.7 μg L−1) > Pb (10.3 μg L−1) ≈ Cu
(9.88 μg L−1) > Ni (8.86 μg L−1) for overlying water, while
the order was Zn (42.5 μg L−1) > Cu (23.4 μg L−1) > Cr
(18.8 μg L−1) > Pb (13.5 μg L−1) > Ni (12.0 μg L−1) for
surface pore water (0–3 cm). Concentrations of heavy metals

in overlying water were significantly lower than those in pore
water (p < 0.05). Concentrations of the selected heavy metals
in both overlying water and pore water from Taihu Lake were
all lower than the standard values of the environmental quality
standards for surface water (China EPA 2002).

There were distinct changes in the vertical concentrations
of heavy metals in pore water. Also, a degree of fluctuation
was found in the concentrations of all metals across the
sediment-water interface, indicating that heavy metals could
be remobilized in the surface sediment. The concentrations of
the majority of heavy metals measured in the pore water pro-
files, except for Pb at ZS and GH, and Ni and Zn at ZS, were
drastically increased with the increase in sediment depth, and
the highest detected concentrations of these heavymetals were
recorded between 2 and 5 cm deep. After the Bpeak,^ the
concentrations of these heavy metals gradually decrease until
they remain constant with little fluctuation in the end of the
profiles (Fig. 2).

Even though some differences occurred between sampling
sites, in most cases, there were similar trends between all
metals and Mn, with coincident maxima in the profiles.
Sedimentary diagenetic processes across the sediment-water
interface, such as diffusion, migration, and transformation, are
significantly driven by redox geochemistry, and Mn or Fe
could be a good indicator to reveal the status of sedimentary
redox conditions (oxic, sub-oxic, or anoxic conditions;
Kalnejais et al. 2015). The peaks of Mn in the profiles show
that the redox conditions facilitate the reductive dissolution of
a fraction of Mn oxyhydroxide particles and their release into
pore water (Campanha et al. 2012). The thicknesses of sub-
oxic layers from the northern bays (about 2–3 cm) were thin-
ner than that (about 5 cm) at the central lake (CL) site. This
distribution may be attributed to the good hydrological condi-
tions at CL with a broader field of open water, which provides
higher oxygenation in the water column and consequently
increases oxygen penetration into the sediment (Scholz et al.
2011).

The profiles of most sampling sites showed relatively high
concentrations of all heavy metals in the surface pore water,
which might result from the co-precipitation or adsorption of
metals with Fe or Mn oxyhydroxides in the oxic and sub-oxic
layer (Álvarez-Iglesias and Rubio 2008; Santos-Echeandia
et al. 2009). Due to reductive dissolution, metals were released
into pore water and higher metal concentrations were recorded
in these layers (Caetano et al. 2007). The maximum values of
the majority of metals occurred between 2 and 5 cm deep in
the sediments, which is also consistent with the concentrations
of Mn in the corresponding profiles.

In a similar way for the pore water profiles, both heavy
metals and Mn showed a decreasing trend beneath the sub-
oxic layers, and this is probably due to the metals being pre-
cipitated with sulfides or immobilized by adsorption to parti-
cles (from the co-precipitation of Fe with sulfides to form
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pyrite, FeS2) under the anoxic conditions at these depths
(Álvarez-Iglesias and Rubio 2008).

However, some specific heavy metal profiles, such as Pb at
ZS and GH, showed a different pattern. The metal concentra-
tions in these profiles were nearly constant with depth, which
is totally different from theMn profiles. The profiles of Ni and
Zn at ZS showed concentrations progressively decreasing
from top to bottom without showing layers of pronounced
spikes in concentrations. Thus, these characteristics may be
attributed to some other factors such as pH, redox conditions,
sulfide concentration, occurrence of complexants, and dis-
solved organic carbon, which may have controlled the mobil-
ity of metals in the deeper layer of pore water, and these
processes needed further research to identify other processes
that govern metal mobility (Campanha et al. 2012; Point et al.
2007).

The metal concentration profiles showed differences be-
tween different bays and the central lake of Taihu Lake. The
average concentrations of most metals were highest at ZS for
overlying water, while the maximum concentrations were ob-
served at ML for pore water, which was consistent with a
previous report (Tao et al. 2012). This variation may be as-
cribed to the influence of anthropogenic activity on sedimen-
tary heavy metals since these two bays have received large
amounts of municipal sewage and industrial waste water from
several input rivers (such as the Taige Canal and Wangyu
River) (Qu et al. 2002). Particles were transported from input
rivers and deposited in the estuaries caused by the hydrody-
namic changes. Heavy metals had high affinity toward the

organic matter in these particles, and this situation led to
higher concentrations of most metals in these two sections
(Pérez-Esteban et al. 2014).

Diffusive fluxes of heavy metals across the sediment-water
interface

The average fluxes of Cr, Cu, Ni, Pb, and Zn in the north bays
of Taihu Lake were 27.3, 24.8, 7.03, 7.81, and −3.32 μg (m2

day)−1, respectively, indicating export from sediment into
overlying water with the exception of Zn (Fig. 3). The abso-
lute flux values of all five metals at CL were much lower than
those in the northern bays of Taihu Lake, which could be
attributed to the absence of peak concentrations of metals in
sub-oxic zones in the profiles. It is worth mentioning that the
areas around CL are open water bodies with a large surface
area, and those differences were reflected in pore water and
the fluxes.

The diffusive flux values of Cu at ZS and ML both exceed
50 μg (m2 day)−1; in addition, Cu was found to be released
from sediment to overlying water in all bays, which may po-
tentially pose health risks to the aquatic organisms and the
surface water. At ZS, as well as ML, the highest fluxes were
observed for most of the heavy metals where the metal con-
centrations in pore water were higher and showed peaks in the
sub-oxic zone. The release fluxes of some heavy metals (such
as Cr at ZS) were very high even though pore water did not
have the highest concentrations. This characteristic may be
explained by the discharge of leather industry wastewater at
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Fig. 2 Profiles of heavymetals andMn in pore water and overlyingwater from the northern bays of Taihu Lake (the dashed lines represent the sediment-
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this site, and the sediments have become important pollution
sources of heavy metals (Tao et al. 2012).

The estimations of metal diffusive flux show the extent
to which sediments can act as a source or sink for metals
in the aquatic systems. The range and average diffusive
flux of selected heavy metals are summarized in Table 1,
and some reported values from some lakes in China and
other countries are also shown for comparison purposes.
Among all areas, the diffusive fluxes of Cr and Cu in the
northern bays of Taihu Lake were the highest. The diffu-
sive fluxes of Ni and Pb were comparable to the lakes in
China (such as Shahe Reservoir and Dianchi Lake), which
were heavily polluted by heavy metals from their input
rivers (Yuan et al. 2014; Li et al. 2008). Compared with
the reports on other aquatic environments around the
world listed in Table 1, the diffusive influxes from the
northern bays of Taihu Lake, with the exception of Zn,
were generally close to the values of some industrial area
or severely impacted urban estuary, including Deule River
in France (Lourino-Cabana et al. 2012), Lake Hope and
San Francisco Bay in USA (López et al. 2010; Rivera-
Duarte and Russell Flegal 1997), Vigo Ria in Spain
(Santos-Echeandia et al. 2009), and the Lagoon of
Venice in Italy (Turetta et al. 2005). The accumulation
of heavy metals in sediment, which is mostly linked to
anthropogenic activities, may lead to higher fluxes across
the sediment-water interface. The Taihu Lake Basin, as
well as Eastern China, has experienced rapid economic
development with the implementation of the Reform and
Open Policy since the late 1970s. Large amounts of
wastewater from industries such as paper-making, leather,
electro-plating, and metallurgy were discharged to the
lake through input rivers, resulting in increasing metal
pollution and relatively higher diffusive influxes in sedi-
ments (Liu et al. 2004; Tao et al. 2012).
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Toxicity and risk assessment of heavymetals in pore water

The freely dissolved concentration of a contaminant is actually
bioavailable in aquatic systems so that the toxicity of heavy
metals depends more on their dissolved concentrations in pore
water rather than those in sediments (Escher and Hermens
2004). The IWCTU values of Pb exceeded 1 at all sites, as well
as that for Cu in some of the pore water samples, which implies
that these two heavy metals may have potential risks of toxicity
to aquatic organisms. The total IWCTU (ΣIWCTU) values in
all profiles at four sites also exceeded 1, with higher values in
deeper sediments, indicating that there is a potential toxic risk
from multiple heavy metals at these sites (Table S3). The NI
values of overlying water from three northern bays and the
central lake (CL) ranged from 1 to 2 (slight impact) and 2 to 3
(moderate impact), respectively. The potential metal toxicity
occurred dangerously near the surface sediments (Fig. 4).
Similar to the concentrations of heavy metals in pore water,
the NI values in the profiles reached their maxima (mostly worse
than strong impact) in the surface pore water (∼1–3 cm), which
is probably due to the release of heavy metals from biogenic
material during the aerobic degradation of organic matter in this
layer (Gavriil and Angelidis 2006). In contrast, the NI values in
deeper layers significantly decreased with depth and reached
values approximately equal to those in overlying water, which
is probably due to the formation of authigenic minerals in the
buried sediment by sulfides and/or carbonates through reaction
with these heavy metals (Lesven et al. 2010).

The highest NI value in surficial pore water of sediments
was found to be greater than 8 at CL, which was far above the
values at the three bays. However, this result was quite differ-
ent from the potential ecological risk of heavy metals in sed-
iments based on spatial distribution in previous reports (Tao
et al. 2012; Yuan et al. 2011). This seeming contradiction
indicated that a relatively high total concentration of heavy
metals in polluted sediment may not cause a serious situation,
while higher concentrations and bioavailability of heavy
metals in pore water could pose a considerable potential risk.
In our findings, the toxicity of heavy metals in pore water
corresponded well to their concentrations, especially for the
dominant contributor (Pb) to the ΣIWCTU (R2 = 0.9303,

p < 0.001, Fig. S3). Physical, chemical, or even biological
factors (e.g., hydrological conditions, hardness, redox condi-
tion, the mineralization process of organic matter) would sig-
nificantly influence the concentrations, distribution, bioavail-
ability, and toxicity of heavy metals in pore water (Luff and
Moll 2004; Lourino-Cabana et al. 2011). Thus, comprehen-
sive investigations that include both the total metal risk in
sediments and the toxicity of bioavailable fraction in pore
water are recommended when assessing the risk of heavy
metals in aquatic environments.

Profiles of PAHs in pore water

The total concentration of the 16 PAHs in surface pore water
(0–5 cm) ranged from 1582 (CL) to 3030 (ML) ng L−1, which
is 5 to 16 times higher than that in overlying water, with a
mean value of 2867 ng L−1. The profiles of total PAHs were
all sharply increased from overlying water to pore water, in-
dicating a potential flux of PAHs from sediment to overlying
water. According to compositions of PAHs in different sam-
pling sites, 2- and 3-ring PAHs accounted for 88–92 %, 4-ring
PAHs for 7–11 %, and 5–6-ring PAHs less than 2 %, respec-
tively, of the total PAHs in overlying water. Moreover, 2- and
3-ring PAHs also dominated the PAH distributions in pore
water, with an average proportion of 53 % (Fig.5).

PAHs were a typical kind of hydrophobic organic com-
pounds (HOCs), which have high Kow values and low aque-
ous solubility (Table S1). The presence of dissolved organic
colloids enhances the aqueous concentrations of PAHs signif-
icantly beyond their solubilities (Nam and Alexander 1998).
The maximum PAH concentrations in pore water were record-
ed at about 10 to 25 cm depth that corresponded to the max-
imum sedimentary PAH concentrations at nearly the same
depth (unpublished data). Similar trends were also observed
by other investigations (Gao et al. 1998; McGroddy and
Farrington 1995). The concentrations of total PAHs in pore
water were correlated with the DOC contents. This kind of
Bsolubilization effect^ is especially effective for high molecu-
lar weight PAHs which are nonpolar and have high Kow

values. In aquatic systems, PAHs are distributed mainly
among three phases: the truly dissolved PAHs, the DOC-

NI values: no impact (<1), slight impact (1-2), moderate impact (2-3), strong impact (3-5), and serious impact (>5)
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bounded PAHs, and the PAHs in the solid sediments
(Hegeman et al. 1995). With increasing DOC in pore water,
more PAHswould be sorbed byDOCwith the consequence of
increasing PAH concentration in pore water, according theKoc

value decreases (Gao et al. 1998). The absence of high mo-
lecular weight PAHs in pore water (<5 ng L−1) is indicative of
the strong binding of these PAHs to the solid matters. The
distribution and concentration of PAHs in pore water are not
just only controlled by the solubility of the individual com-
pounds, which may be also attributed to sediment properties
or Baged ^ PAHs (hysteresis), etc. In addition, different DOC
properties (such as components, ionic strength, or salt effect)
in pore water would also result in different patterns of PAH in
these phases (Lassen and Carlsen 1997). These processes need
further study within more comprehensive experiments in the
laboratory or on situ. Also, high-resolution methods (such as
solid-phase microextraction, SPME; passive sampling) are
necessary to understand the environmental bioavailability
and fate of PAHs in the sediment-water interface in future
studies.

Toxicity of PAHs in overlying water and surface pore
water

PAHs in aqueous environmental samples (such as surface
water, overlying water, or pore water) are considered to be
much more toxic and biologically available to the aquatic
organisms than sedimentary PAHs (Gustafsson et al.
1997). Therefore, a hazard index (HI) was used here to
evaluate the toxicity of PAHs in overlying water and sur-
face pore water (0–5 cm). The hazard quotient (HQ) and
hazard index (HI) of PAHs were calculated from Eq. (6)
and (7), and the values are shown in Fig. 6. Taking the
toxicity values as reference, the HI values ranged from

0.008 to 0.027, with an average of 0.018 in overlying
water at four sites, indicating no or low ecological risk
in overlying water of Taihu Lake. The average value of HI
in surface pore water was 0.63, which also showed no or
low ecological risk. However, the values were 18 to 63
times higher than their corresponding values in overlying
water. Moreover, a notably high HI value (1.19) was
found in surface pore water at GH, indicating that pore
water in this site could pose a toxic risk to the benthic
fauna at this site.

As for the contributions of HI values of individual
PAH, several PAHs (such as Phe, BaA, Chry, BbF, and
Incdp) contributed equally (about 10 %) to the hazard
quotient in terms of chronic value, while others’ contribu-
tions were all less than 5 % (Fig. 6). In surface pore water,
BkF, BbF, and DBA were the dominant contributors to the
toxic-response factor for HI values (50.8, 30.3, and
10.2 % on average, respectively). The main contributors
of the above PAH (except Phe) were all carcinogenic
PAHs with higher toxic equivalence factors according to
the data from USEPA (Nadal et al. 2004). Therefore, these
individual PAHs should be given high attention and taken
as the priority contaminants for control measures.

Probabilistic risk assessment is an important tool for
environmental managers to identify and prioritize PAHs
for aquatic environment (Guo et al. 2012; Schuler et al.
2008). However, the Kolmogorov-Smirnov test for nor-
mality was conducted and the results showed that some
distributions of individual PAH in the present study, especial-
ly for carcinogenic ones (BaP, IncdP, DBA, etc.) with
higher toxic equivalence factors, were not normal
(p > 0.05, Table S4). Therefore, enough data with normal
distribution are needed to achieve the probabilistic risk
assessment for screening and ranking the risk to aquatic
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organisms in a further study. Here, the relative frequency
of the hazard index (HI) values in the profiles of overly-
ing water and pore water is presented in Fig. S5.
Obviously, benthic organisms in deeper layers would be
adversely affected because all samples in deeper pore wa-
ter had HI values higher than 1.

As shown in Fig. 6, the concentrations of 16 individual
PAH were all below their corresponding chronic toxicity
values (Table S1), and the average values of HI in over-
lying water and surface pore water were both less than 1,
showing no or low potential ecological risk for Taihu
Lake. However, these results do not mean the outlook is
optimistic. Our finding indicated that concentrations of
PAHs in surface pore water were higher than those in
overlying water, exhibiting a positive flux of PAHs from
pore water to overlying water. There may be an occasion-
al risk according to the HI values of PAHs in surface pore
water at GH, and the carcinogenic ones (BkF, BbF, and
DBA) made the dominant contribution to the toxicity of
PAHs in pore water (Fig. 6). Since PAHs in pore water are
considered to be more toxic and biologically available to
the aquatic organisms than those in sediments, PAHs in
pore water would pose a Bpotential toxicological risk^ to
human health, especially in the areas that have drinking
water works. Besides, Taihu Lake is a typical shallow lake
and the sediments are easily re-suspended due to wind-
wave action, leading to a more drastic exchange of pol-
lutants between pore water and overlying water. Many
contaminants have been reported in Taihu Lake in recent
years (Wang et al. 2003; Zhang and Jiang 2005), and most
of them just focused on their environmental occurrence or
toxicity assessment in the sediments. Limited data were
available on the distribution or toxicity of the coexistent
contaminants in pore water to understand their environ-
mental bioavailability and fate in the sediment-water sys-
tem of the lake. Therefore, the comprehensive toxic ef-
fects of these contaminants in pore water should be given
priority attention in a further study to obtain an accurate
assessment of the safety of Taihu Lake.

Conclusions

The distribution, diffusive fluxes, and toxicity of 5 heavy
metals and 16 priority PAHs in pore water profiles from the
northern bays of Taihu Lake were investigated. In all cases,
the concentrations of the selected heavy metals in both
overlying water and pore water from Taihu Lake did not
exceed the standard values of the environmental quality
standards for surface water. The concentrations of heavy
metals increased as the pore water depth increased, and the
highest detected concentrations were recorded between 3
and 5 cm below the sediment surface. The diffusive fluxes
across the sediment-water interface indicated that sedi-
ments in the northern bays acted as sources of heavy metals
to the water columns. The relatively high diffusive flux of
Cu suggests that pore water could be a direct source of Cu
to overlying water in the study area. The total IWCTU and
NI values showed that heavy metals in pore water had a
slight to moderate impact on sediment-dwelling organisms.
Concentrations of PAHs in surface pore water were higher
than those in overlying water, exhibiting a positive flux of
PAHs from pore water to overlying water. Concentrations
of 16 individual PAH were all below their corresponding
chronic toxicity values, and the average HI values showed
no or low potential ecological risk for Taihu Lake. While
there may be an occasional risk due to the HI values in
some pore water greater than 1, the carcinogenic ones
(BkF, BbF, and DBA) made the dominant contribution to
the toxicity of PAHs in pore water. It could be concluded
that heavy metals and PAHs in pore water from Taihu Lake
may have a potential biological impact but cause no im-
pairment at present. Heavy metals and PAHs and their
comprehensive toxic effects in pore water should be given
priority attention when developing effective strategies for
risk management in this region.
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