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Abstract The methylmercury (MeHg) cycling at water–sed-
iment interface in an acid mine drainage (AMD)-polluted
reservoir (Aha Reservoir) and a reference site (Hongfeng
Reservoir) were investigated and compared. Both reservoirs
are seasonal anoxic and alkaline. The concentrations of sul-
fate, sulfide, iron, and manganese in Aha Reservoir were
enriched compared to the reference levels in Hongfeng reser-
voir due to the AMD input. It was found that the MeHg
accumulation layer in Aha Reservoir transitioned from the
top sediment layer in winter to the water–sediment interface
in spring and then to the overlying water above sediment in
summer. It supported the assumption that spring methylation
activity may start in sediments and migrate into the water
column with seasonal variation. The weaker methylation in
sediment during spring and summer was caused by the exces-
sive sulfide (∼15–20 μM) that reduced the bioavailability of
mercury, while sulfate reduction potential was in the optimal
range for the methylation in the overlying water. This led to a
transport flux of MeHg from water to sediment in spring and
summer. In contrast, such inversion of MeHg accumulation
layer did not occur in Hongfeng Reservoir. The sulfate reduc-
tion potential was in the optimal range for the methylation in
top sediment, and dissolved MeHg was positively related to

sulfide in pore water of Hongfeng Reservoir (r=0.67,
p<0.001). This result suggested that accumulation of MeHg
in lake water and cycling of MeHg at sediment–water inter-
face associate with some sensitive environmental factors, such
as sulfur.
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Introduction

Methylmercury (MeHg) levels in fish and invertebrates in
some lakes or marine systems were found to exceed the state,
federal, or international health guidelines (Chase et al. 2001).
As a result, mercury contamination of the aquatic system is a
worldwide health concern (Clarkson 1990; Fitzgerald and
Clarkson 1991). The sediment and/or bottom water has long
been recognized as the key locations of microbial-mediated
Hg methylation (Hammerschmidt and Fitzgerald 2004;
Eckley et al. 2005). Therefore, in order to understand geo-
chemical cycling of mercury at sediment–water interface, it is
essential to know the modes of transfer of mercury to the
overlying water and biota.

Numerous studies are linked with cycling of MeHg at the
sediment–water interface. Several mechanisms have been
suggested to explain the seasonal accumulation of MeHg in
the anoxic hypolimnia of lakes including the following:

1. Diffusion and release from the sediments to the water
column under anoxic conditions (Gill et al. 1999;
Regnell et al. 2001; Ullrich et al. 2001). In freshwa-
ter aquatic ecosystems, warm, shallow, and organic-
rich lake sediments are often important zones of net
methylation (Munthe et al. 2007).
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2. Sedimentation of catchment-derived particulate MeHg
(Verta and Matilainen 1995) or dense layers of seston that
have accumulated Hg in the upper water layers (Hurley
et al. 1991). The study of Watras et al. (2006), however,
showed that MeHg in the anoxic hypolimnia of Little
Rock Lake did not come from the settling plankton from
above.

3. In situ methylation in the anoxic water column (Watras
et al. 1995; Mauro et al. 2002; Eckley et al. 2005). The
study of Watras et al. (2006) showed MeHg production
within a discrete layer of microbes at various depths in the
anoxic water column in Little Rock Lake. A peak in
methylation potential was typically observed just below
the oxycline, and it decreased with increasing depth in the
water columns of five lakes across Canada (Eckley and
Hintelmann 2006). Thus, it was assumed that spring
methylation activity may start in the sediments in spring
andmigrate into the water column in summer as anaerobic
microbes move upward and toward the source of limiting
nutrients, like sulfate and dissolved organic carbon (DOC)
(Watras et al. 2006; Eckley and Hintelmann 2006; Watras
et al. 1995). However, the data from sediment and pore
water are limited to support the assumption that methyl-
ation activity may start in sediments and migrate into the
water column with seasonal variation, as the data from the
sediments and pore waters have not been reported in those
articles. In this article, the research group investigated the
cycling of MeHg at water–sediment interface of Aha
Reservoir, which is polluted by acid mine drainage
(AMD) and Hongfeng Reservoir which is not affected
by AMD, as a reference site. The assumption that meth-
ylation activity may migrate between sediment and water
column with seasonal variation will be investigated and
discussed based on data from lake water and pore water.
The effect of high sulfate and iron input from AMD on
cycling of MeHg at water–sediment interface will also be
discussed.

Under anoxic conditions, sulfur (S) and iron cycling may
have a significant influence on Hg complexation and methyl-
ation. Both sulfate-reducing bacterium (SRB) and iron-
reducing bacterium (IRB) can methylate Hg in freshwater
ecosystems (Benoit et al. 1999; Fleming et al. 2006;
Gilmour et al. 2013). Numerous studies observed that the
sulfate-reducing activity would result in an increase in the
production of MeHg (e.g., Shao et al. 2012; Eckley and
Hintelmann 2006), while high sulfide inhibits its methylation,
presumably by affecting the speciation of the dissolved Hg–S
complexes (Benoit et al. 1999; Hammerschmidt et al. 2008).
Thus, the impact of sulfur is a complex process regarding the
cycling of mercury in the environment. Cycling of iron in
water and sediment also can affect bioavailability of mercury
directly or indirectly (Regnell et al. 2001; Mehrotra and

Sedlak 2005). Aha Reservoir is polluted by AMD from coal
mines, which results in unusually high SO4

2−, Fe, and Mn
concentrations in the water and sediment compared to
Hongfeng Reservoir. These specific characteristics of the
Aha Reservoir provide us with an opportunity to investigate
the effects of sulfur and iron cycles on mercury distribution in
aquatic systems.

Methodology

Description of the sampling site

The Aha Reservoir was initially impounded in 1960 and then
enlarged in 1982 to a final surface area of 4.5 km2 and a
volume of 4.45×107 m3 (Table 1). The reservoir has been
contaminated by coal mining activities for many years.
Approximately 220 small coal mines were in operation around
the catchments of the reservoir during the 1980s, which con-
stantly discharged acidic pollutants such as SO4

2−, Fe, andMn
into the water (Wang 2003). Since 1995, two water treatment
plants have been built to purify the inlet water of Aha
Reservoir by using lime neutralization and aeration oxidation,
but the SO4

2− concentrations in water of the reservoir still
reached 303 mg/L (Luo 2003), which were significantly ele-
vated compared to the adjacent reservoirs. At the same time,
the Aha Reservoir has been polluted by the industrial and
domestic waste water in the catchment.Most of the coal mines
were completely closed by 2011.

Hongfeng Reservoir was constructed in 1960 with a sur-
face area of 57.2 km2 and a volume of 6.01×108 m3 (Table 1).
Its main bedrocks at the watershed are limestone and dolomite
(Zhang 1999). There are nearly two dozen factories in the
drainage area of the reservoir, and a large volume of improp-
erly treated waste water has been discharged into the reservoir.
Accordingly, the reservoir has become a polluted and eutro-
phic body of water. As a result, the reservoir exhibits alkaline
conditions with seasonally anoxic and eutrophic features.
Eutrophication, however, was just developed in some sites,
such as Houwu, but not at the Daba station (He et al. 2008),
which served as a reference site in this study.

Lake water, sediment, and pore water sampling

The lake water, pore water, and sediment samples were col-
lected from Aha and Hongfeng reservoirs in February, June,
and September of 2012 using clean metal protocols (Method
1669 1996; Method 1630 2001). The sampling sites in the
reservoirs were chosen as shown in Fig. 1. Among two sites in
Aha Reservoir, the Daba sampling site of Aha Reservoir
(AHDB) is close to the dam of the reservoir while
Changtang sampling site of Aha Reservoir (AHCT) is located
at the center of the reservoir. For the reference site, Daba of
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Table 1 The limnological characteristics of Hongfeng Reservoir and Aha Reservoir

Reservoir Surface area (km2) Max depth (m) Average depth (m) Volume (m3) The residence time (a)

Hongfeng Reservoir 57.2 45 9.27 6.01×108 0.325

Aha Reservoir 4.5 24 13.2 4.45×107 0.44

Fig. 1 The locations of the
sampling sites (AHDB, AHCT,
and HFDB)
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Hongfeng (HFDB) was chosen, which is close to the dam of
Hongfeng Reservoir. As Hongfeng Reservoir was mainly
constructed for the purpose of hydroelectric power generation,
flood control, drinking water supply, etc. The HFDB site is
near the dam of the reservoir, the water levels at the Daba site
exhibited significant fluctuations. The water depth was 24 m
in June but increased to 32 m in September. Water samples
were obtained from different depth levels (0, 4, 8, 12, 16, 20,
24, 28, 32, and 36 m) using a 10-L Niskin sampler. For the
filtered water samples, they were prepared by filtering water
samples using a 0.45-μm polyvinylidene fluoride (PVDF)
filter (Millipore) on site. All water samples were filled in
borosilicate glass bottles, acidified with 0.5 % HCl, double-
bagged and transported to the laboratory within 24 h, and
finally stored at 3–4 °C in the dark until subsequent analysis.
Prior to sample collection, the borosilicate glass bottles were
cleaned by acid leaching, rinsing with ultrapure deionized
water (18 MΩ cm), and heating at 500 °C for several hours
in a muffle furnace (He et al. 2008; Feng et al. 2011). As a
precaution, collected water samples and standard stock sam-
ples were stored separately. Similarly, the pre-cleaned and
packed apparatus that would contact samples was opened or
exposed only in a clean bench and for a short time. When not
in use, the apparatus was packed in separate clean ziplock
bags and stored in a clean plastic box. Clean, talc-free gloves
were worn during all operations involving handling of the
apparatus, samples, and blanks, and they were changed fre-
quently during the whole procedures to minimize any possible
contamination.

Sediment cores of approximately 25 cm in length were
collected and sectioned at 1- and 2-cm intervals. Each
core section was sliced and placed into 45-mL centrifuge
tubes under a nitrogen atmosphere. The pore water was
extracted from the wet sediment within 48 h by centrifu-
gation at 3000 rpm for 30 min at in situ bottom water
temperature (5–15 °C), followed by filtration through
syringe filter units (single use, 0.45-μm PVDF membrane,
Millipore). The resulting pore water was collected in
borosilicate glass bottles and acidified to a 0.5 % HCl
solution. All bottles were capped and then sealed with
parafilm. The whole process was performed in a nitrogen
bag with gloves. All the resulting pore water samples
were stored in a refrigerator at 3–4 °C until further anal-
ysis. Solid-phase samples were freeze-dried and homoge-
nized using a mortar and pestle.

Mercury analysis

The total Hg (THg), dissolved total Hg (FTHg), total methyl-
mercury (TMeHg), and dissolved MeHg (FMeHg) concentra-
tions were determined for each sample. The analytical
methods used for Hg speciation in water have been described
in detail elsewhere (Bloom and Fitzgerald 1988; Horvat et al.

1993; Method 1630 2001; Method 1631 2002; He et al. 2008;
Feng et al. 2011). All methods rely on cold vapor atomic
fluorescence spectroscopy.

For THg and FTHg, the water samples were oxidized
with 0.5 % BrCl at least for 24 h. After oxidation, 0.2 %
NH2OH·HCl was added to destroy any free halogens
before adding stannous chloride (SnCl2) to convert
Hg(II) to volatile Hg(0). The resulting sample was then
purged with Hg-free N2, and Hg(0) was adsorbed onto a
gold trap (Bloom and Fitzgerald 1988).

TMeHg and FMeHg concentrations in water were deter-
mined using the standard distillation–ethylation GC separa-
tion–cold vapor atomic fluorescence spectrometry (CVAFS)
technique (USEPA 2001). A 45-mL aliquot of an acidified
sample was placed in a fluoropolymer distillation vessel and
distilled at 125 °C under Hg-free N2 flow until approximately
35∼36 mL of water was collected in the receiving vessel. The
distillation process was stopped to avoid more artifactual
methylation of inorganic Hg when the volume of distillate
was up to 80 % of distilland. The pH of the collected sample
was adjusted to 4.9 using an acetate buffer. The Hg in the
sample was ethylated in a closed 200-mL bubbler by the
addition of sodium tetraethyl borate. The ethyl analog of
CH3Hg, CH3CH2HgCH3, was separated from the solution
by purging with N2 onto a Tenax trap. The trapped
CH3CH2HgCH3 was then thermally desorbed, separated
from other mercury species using an isothermal GC col-
umn, and then decomposed to Hg(0) in a pyrolytic de-
composition column (700 °C). The resulting analyte was
examined by CVAFS (Brooks Rand II). All PTFE vials
for distillation were cleaned by heating for 48 h in con-
centrated nitric acid (Horvat et al. 1993).

The analysis of MeHg in sediment was performed follow-
ing the procedure developed by Liang et al. (2004).
Approximately 0.3 g of sediment was placed into a 50-mL
centrifuge tube, into which 1.5 mL of 1 M CuSO4, 7.5 mL of
3 M HNO3, and 10 mL of CH2Cl2 were added. The tube was
closed and shaken for 30 min. Five milliliters of the CH2Cl2
layer was pipetted into another 50-mL centrifuge tube after the
tubewas centrifuged at 3000 rpm for 30min. Any of inorganic
part, such as sediment, water, and acid, could not be trans-
ferred to another tube with CH2Cl2. It would result in artificial
methylation of inorganic Hg in the sample if inorganic mer-
cury in the sample was transferred with CH2Cl2.
Approximately 40 mL of double-deionized water was added
to the tube. The tube was heated at 45 °C in a water bath until
no visible solvent was left in the tube. The remaining liquid
was then purged with nitrogen for 8 min in a water bath at
80 °C to remove the solvent residue. The sample was brought
to 50 mL with double-deionized water before an appropriate
volume (generally 15 mL) of the sample was transferred to a
borosilicate bubbler for MeHg analysis following the proce-
dure described previously.
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Physical and chemical characteristics

Ancillary water analyses, including the pH, dissolved oxygen,
temperature, total dissolved solids (TDS), dissolved concen-
trations of sulfide, sulfate, iron, and manganese, were per-
formed. The sulfide levels in the lake water and pore water
were measured by colorimetry using Cline’s method (Cline
1969). The sulfate content of the water samples was deter-
mined by ion chromatography. Iron and manganese were
analyzed by inductively coupled plasma atomic emission
spectrometry. Water quality parameters such as T, dissolved
oxygen (DO), pH, and TDS were measured using a portable
analyzer (Radiometer Analytical, plONneer 65) in winter and
the analyzer (YSI 6600V2) in September on site.

Quality assurance

Quality assurance and quality control of the analytical process
were carried out using duplicates, method blanks, field blanks,
matrix spikes, and certified reference materials (ERM 580,
marine sediment). Field blanks and duplicates were taken
regularly (>10 % of samples) throughout each sampling cam-
paign. The estimated detection limit is 0.10 mg/L for SO4

2−,
0.002 mg/L for iron, and 0.001 mg/L for Mn. The relative
average deviations on precision tests for the duplicate samples
vary from 1.3 to 4.0 % for SO4

2−, from 3.5 to 9.2 % for sulfide,
from 1.4 to 7.1 % for iron, and from 0.4 to 6.4 % for Mn in
filtered water. Detection limit of MeHg for 45-mL water sam-
ple was estimated as three times the standard deviation of the
blank measurement (0.027±0.003 ng/L, n=12, consecutive
determination) and is 0.009 ng/L. The relative average devia-
tions on precision tests for the duplicate samples vary from 0.7
to 8.1 %, and recoveries for matrix spikes are in the range of
80–101 % for MeHg analysis in lake water. The mean MeHg
concentration of 74.7±5 ng g−1 (n=10) was obtained from
ERM 580 with a certified value of 75.5±4 ng g−1.

Results

Physical and chemical characteristics of the water
and sediment

Tables 2 and 3 list the physical and chemical characteristics of
the water and the sediment. The two reservoirs are seasonally
stratified and anoxic. Li et al. (2008) analyzed monthly vari-
ation in DO distribution in Hongfeng Reservoir and showed
that anaerobic hypolimnion (DO <1 mg/L) began to develop
in deeper water in May and this zone in deeper water expand-
ed below the depth of 8–10 m in September.

As both Aha Reservoir and Hongfeng Reservoir are locat-
ed in the Karst region of Guiyang city, many physical and

chemical characteristics are the same, such as pH, DO, and
temperature (Table 2). The main difference between the two
reservoirs is sources of pollution. The sources of pollution in
Hongfeng Reservoir are mostly due to industrial and domestic
waste water (He et al. 2008). For Aha Reservoir, it was mainly
polluted by AMD, in addition to industrial and domestic
waste. As both reservoirs are polluted by industrial and do-
mestic waste water, the organic matter concentrations are
generally higher than the values observed in other reservoirs
(e.g., Dongfeng Reservoir, 1.98∼3.09 % in sediment) located
in Guizhou (Jiang 2005). Dissolved organic matter (DOC) in
lake water and organic matter in sediment in Hongfeng
Reservoir were slightly higher than those in Aha Reservoir
(Tables 2 and 3). Although total mercury of the surface sed-
iment in Hongfeng Reservoir is two to three times higher than
that in Aha Reservoir, dissolved total mercury in lake water
and pore water of the two reservoir had no statistical differ-
ence (one-way ANOVA, p=0.29). The main discernible dif-
ferences in the physical and chemical characteristics of Aha
Reservoir and Hongfeng Reservoir are the sulfate, sulfide,
iron, and manganese concentrations, which may result in
obviously different MeHg cycling at water–sediment
interface.

The sulfate and sulfide in the lake water and pore water

Figure 2 shows the spatial and temporal distributions of sul-
fate in Aha and Hongfeng reservoirs. In both water columns
and sediment pore water of Aha Reservoir, the sulfate con-
centrations in February were higher than those in June and
September (Mann–Whitney test, p<0.001). In particular, in
the top 2 cm of pore water in February, the sulfate concentra-
tions were 2–11 times higher than those of June and
September. Moreover, in the summer months, there was a
sharp significant decrease in the sulfate levels at the depth of
1 cm in pore water. These seasonal variations suggest that the
top 2 cm of the sediment was in presence of oxygen in winter,
so sulfate-reducing activity was weak in top 2 cm of the
sediment. In Hongfeng Reservoir, the sulfate concentrations
ranged from 53 to 92mg/L in lake water and 0.8 to 21mg/L in
pore water, which were distinctly lower than those of Aha
Reservoir (Mann–Whitney test, p<0.001). These results indi-
cated that Aha Reservoir was still affected by acid mining
discharge, which gives rise to high sulfate concentrations.
Since Guizhou has geologically higher sulfur content, the
sulfate concentrations in Hongfeng reservoir without addition-
al sulfate pollution were much higher than those in some lakes
in other regions (e.g., Eckley and Hintelmann 2006).

Figure 3 shows the spatial and temporal distributions of
dissolved sulfide in Aha and Hongfeng reservoirs. Sulfide
mainly accumulated in the anoxic water and the upper several
centimeters in pore water and then declined with increasing
depth in pore water. This distribution pattern was consistent
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with those observed in some anoxic lakes (e.g., Feyte et al.
2012; Couture et al. 2010). In the typical profiles observed in a
coastal marine deposit, however, dissolved sulfide usually
increased wi th increas ing dep th in pore water
(Hammerschmidt et al. 2008; Hollweg et al. 2009). The dif-
ference of sulfide distribution could be a result of much lower
sulfate but higher iron in lake and reservoir, which likely
resulted in the precipitation of iron sulfide in the pore water.

Sulfide is the reduction product of sulfate, so to some
extent, sulfide values can show sulfate reduction potential.
At AHDB sampling site, the sulfide contents increased sharp-
ly at the depth of 16–24 m in bottom water in September and
the highest value was as high as 13 μM while it generally
stayed lower than 10 μM for most of the samples. This
indicated that the sulfate reduction potential in lake water
was relatively strong in September. In the top of the pore
water, the sulfide levels were generally higher than 10 μM.

In lake water of HFDB, the sulfide contents were very low
in June and September, which showed weaker sulfate reduc-
tion potential than that in lake water of Aha Reservoir. Sulfate
reduction rate is mainly controlled by sulfate, redox potential,
availability of organic substrates, and temperature (Kosolapov
et al. 2003). Relatively low DOC concentrations (Table 2)
limited the sulfate reduction activities in lake water of
Hongfeng and Aha reservoirs. Although there were higher
sulfide concentrations in lake water of Aha Reservoir affected
by sulfate pollution, it was still much lower than those in some
lakes with high DOC concentrations (Eckley et al. 2005).

In the pore water of HFDB, the sulfide contents were
relatively higher than those in lake water in June.
Nevertheless, with less than 10 μM, it was still significantly
lower than those in the pore water of Aha Reservoir, indicating
weaker sulfate reduction activity than that in Aha Reservoir. In

contrast, the sulfide in the pore water obtained in September
increased and was at the same level as that of Aha Reservoir,
which corresponds to the relatively low sulfate content of the
Hongfeng Reservoir in September. These results revealed that
the sulfate reduction potential became high in September in
Hongfeng Reservoir.

Iron and manganese in pore water

The spatial and temporal distributions of total iron (Fe) and
manganese (Mn) in the pore water in Hongfeng and Aha
reservoirs are shown in Fig. 4. Wang (2003) indicated that
Aha Reservoir had been polluted by Fe and Mn from AMD.
The total Fe and total Mn in the solid phase of the sediment
were approximately 60–100 and 2–40 mg/g at the AHDB,
respectively, whereas the values were approximately 40 and
<2 mg/g for Fe and Mn in the Hongfeng Reservoir, respec-
tively (Wang 2003). However, the total Fe concentrations in
the porewater of three sampling sites revealed no seasonal and
spatial differences except for the slightly higher values in
September. The difference of iron distribution between solid
phase and pore water might be attributed to the stronger
precipitation of Fe sulfide in Aha Reservoir with higher sulfate
and sulfide in pore water.

THg and TMeHg in the water columns and sediment

The vertical distributions of THg in water column at the three
sampling sites in September are presented in Fig. 5. THg
concentrations in the lake water of the reservoirs were rela-
tively low compared with those reported before by He et al.
(2008) and Feng et al. (2011) because of the control in the
sources of mercury pollution from the catchment.

Table 3 The chemical characteristics of the sediment in the reservoirs

Reservoir pH Organic matter (%) THg (μg/g) Mn (μg/g) Fe (μg/g)

Hongfeng 6.5∼7.0 6.1–10.0 0.37∼0.58 <2a ∼40a

Aha Reservoir 6.5∼7.1 8.1–12.0 0.12∼0.33 2∼40a 60∼100a

a The data is from the research of Wang (2003)

Table 2 The water quality characteristics in the reservoirs

Reservoir DO (mg/L) TDS (mg/L) T (°C) pH SO4
2− (mg/L) DOC (mg/L)

Hongfeng Winter _ _ _ 3.16a

Summer Epilimnetic 6.5±1.4 346±22 25.0±2 8.7±0.2 65.1±0.7

Hypolimnion 0.13±0.03 406±81 22.5±0.8 7.7±0.2 59.7±5.3

Aha Winter 7.9±0.9 693±18 6.5±0.4 8.4±0.1 219±27 3.67a

Summer Epilimnetic 5.6±3.4 582±54 23.8±1.3 8.4±0.3 179±19

Hypolimnion 0.11±0.06 508±190 16.2±2.0 7.6±0.2 183±11

a The data is from the research of Song (2008)
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Nevertheless, the mercury concentrations in the lake water of
the two reservoirs were distinctly higher than those of other
natural waters reported in Europe and North America (e.g.,
Bloom et al. 2004; Sullivan and Mason 1998).

The seasonal distributions of TMeHg in the water column
are shown in Fig. 5. In Aha Reservoir, TMeHg concentrations

changed from 0.04 to 3.09 ng/L with an average of 0.67 ng/L,
and the values were distinctly elevated in the bottom water in
June and September. The increased TMeHg concentrations in
the hypolimnion were probably related with increased meth-
ylation rates, the accumulation of settled particulate matter,
and/or the release of MeHg from the sediment (e.g., Regnell

Fig. 2 Distributions of sulfate in
Aha and Hongfeng reservoirs
(“0” of X axis shows sediment/
water interface, which is the
surface of sediment and the
bottom of lake water)

Fig. 3 Distributions of dissolved
sulfide in Aha and Hongfeng
reservoirs (“0” of X axis shows
the sediment/water interface,
which is surface of sediment and
bottom of lake water)
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and Ewald 1997; Verta andMatilainen 1995). At the sampling
site of AHDB, the highest value in September was located at
the depth of 16 m, not at water–sediment interface, which
indicated in situ methylation and/or that the accumulation of
settled particulate matter contributed to most of MeHg in
hypolimnion. At the HFDB sampling site, TMeHg ranged
from 0.04 to 0.73 ng/L with an average of 0.22 ng/L, which
was much lower than that at Aha Reservoir. The highest
values were observed at the sediment–water interface, and
MeHg distribution in the water column showed a strong
increasing gradient toward the sediment. This distribution
showed that TMeHg in the bottom water was probably from
the release of MeHg in the sediment in Hongfeng Reservoir.

Conversely, MeHg in the sediment of Hongfeng Reservoir
was much higher than that of Aha Reservoir (Fig. 6). There

were no discernible seasonal differences in the distribution of
MeHg in the sediment, with the exception of the slightly lower
MeHg levels in the top several centimeters of the Aha
Reservoir in September.

There were good correlations between FMeHg and
TMeHg in lake water and sediment (Fig. 7). So, the spatial
and temporal variations of TMeHg between Aha and
Hongfeng reservoirs need to be discussed in detail together
with FMeHg in lake and pore water which is provided in later
section.

FMeHg in the lake water and pore water

There were significant temporal and spatial differences in the
distribution of FMeHg in the lake and sediment pore water

Fig. 4 Distribution of Fe and Mn
in the pore water of Aha and
Hongfeng reservoirs (the depth of
0 m is the surface of sediment)
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samples of both reservoirs (Fig. 8). In Aha Reservoir, the
FMeHg in the hypolimnion water generally increased in
June and September. In the pore water of the sediment, how-
ever, it seemed surprising that the highest FMeHg levels were
observed in February instead of June and September. The
entire profile of the FMeHg distributions showed that the
MeHg accumulation layer migrated between lake water and
pore water with the seasons. At the AHDB sampling site, the
highest FMeHg levels (0.53, 0.92, and 1.93 ng/L) were ob-
served at a depth of 2 cm in pore water in February, at a depth
of 1 cm in pore water in June, and at a depth of 16 m in lake
water in September, respectively. At the AHCT sampling site,
the highest FMeHg levels (1.60, 0.51, and 0.89 ng/L) were at a
depth of 1 cm in the pore water in February, at the sediment–
water interface in June, and at a depth of 12m in the lakewater
in September, respectively. The distributions suggested that
MeHg accumulation layer shifted from the top of pore water
to the bottom of lake water with the migration of the
oxic/anoxic boundary layer over the course of seasonal vari-
ations. At the reference site HFDB in Hongfeng Reservoir,
however, the MeHg accumulation layer was always in the top
of pore water. Although the FMeHg contents increased in the
hypolimnion of the lake water, the values were much lower
than those of Aha Reservoir. In contrast, the FMeHg levels in

the top 10 cm of the pore water were much higher than those
in Aha Reservoir with a maximum of 4.11 ng/L in summer,
which corresponded to the higher total MeHg concentrations
in the sediment of Hongfeng Reservoir.

The sediment–water fluxes were calculated from the con-
centration gradient between surface pore water (2 cm) and
bottom water using Fick’s law, with a value of 1.3×
10−5 cm2 s−1 for Dw (the diffusion coefficient of the solute
in water in the absence of the sediment matrix). In Hongfeng
Reservoir, the largest diffusive flux ofMeHg from sediment to
water column was in June, up to 17.7 ng/m2 day, while
negative fluxes were obtained in Aha Reservoir in summer.

Discussion

Seasonal migration of methylation activity between water
and sediment

A number of studies found that %MeHg was a reasonable
approximation of the relative rates of Hg methylation in
uncontaminated sediments (e.g., Benoit et al. 2003;
Sunderland et al. 2004). In Aha Reservoir, as described

Fig. 5 THg and TMeHg
distributions in lake water of Aha
and Hongfeng reservoirs (in
figure, the depth of 0 m is the
surface of lake water. Some water
samples were obtained at the
sediment–water interface,
including samples at depth of 25
and 21 m in AHDB, 15 and 13 m
in AHCT, and 25 and 33 m in
HFDB)
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above, the MeHg accumulation layer migrated from the
top of the sediment to the bottom of lake water with the
migration of the oxic/anoxic boundary layer. The highest
FMeHg concentrations were observed at the surface or the
subsurface of the sediment cores in February, at the sur-
face of sediment or at the sediment–water interface in

June, and in lake water in September, respectively. In
the aquatic systems, the higher MeHg is usually observed
in pore water compared to lake water, and MeHg in
summer is usually higher than those in winter in sediment
and pore water (Hines et al. 2004; Gill GA et al. 1999;
Guédron et al. 2012). Some lines of research, however,

Fig. 6 THg and TMeHg
distributions in sediment of Aha
and Hongfeng reservoirs (the
depth of 0 m is the surface of
sediment)

Fig. 7 Relationship between
TMeHg and FMeHg in lake water
and sediment
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found unusual MeHg distributions at the water–sediment
interface, for example, Regnell et al. (2001) observed
MeHg in surface sediment and showed a steady decline
while MeHg increased in the overlying water during sum-
mer. The several studies showed that MeHg production
within a discrete layer of microbes in the anoxic water
column and highest methylation potential were typically
observed just below the oxycline, which decreased with
increasing depth in the anoxic water columns (Eckley and
Hintelmann 2006; Watras et al. 1995; Regnell and Ewald
1997), and a peak in MeHg also was present near the
lower boundary of the thermocline or right below
it.(Regnell and Ewald 1997; Watras et al. 2006). Thus, it
was assumed that spring methylation activity may start in
sediments and migrate into the water column in summer
as anaerobic microbes move upward and toward the
source of limiting nutrients, like sulfate and DOC

(Watras et al. 2006; Watras et al. 1995). In those articles,
however, the data from sediment and pore water were not
provided, so it is hard to support this assumption. In Aha
Reservoir, the trends of seasonal distributions of MeHg in
the surface pore water were FMeHg in February (0.87 ng/
L) > FMeHg in June (0.64 ng/L) > FMeHg in September
(0.15 ng/L), while those of average FMeHg in hypolim-
nion are FMeHg in February (0.12 ng/L) < FMeHg in
June (0.42 ng/L) < FMeHg in September (0.59 ng/L).
TMeHg in the sediment had same seasonal distributions
with those in pore water. It is obvious that MeHg in
hypolimnion was not from the diffusion of sediment and
the MeHg accumulation layer migrated from the top of
sediment to the bottom of lake water with the migration of
the oxic/anoxic boundary layer. The distributions in water
and sediment profile in Aha Reservoir supported the hy-
pothesis that spring methylation activity may start in

Fig. 8 FMeHg in lake and pore
water samples of Aha and
Hongfeng reservoirs (“0” of X
axis shows the sediment/water
interface, which is the surface of
sediment and bottom of lake
water)
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sediments and migrate into the water column in summer.
In Hongfeng Reservoir, however, the highest MeHg
values were always presented in surface pore water, and
MeHg distributions in the water columns showed a strong
increasing gradient toward the sediment. This MeHg dis-
tribution suggested that MeHg in the bottom water was
probably from the release of MeHg in the sediment of
Hongfeng Reservoir which is also a stratified lake and the
deeper lake water was under anaerobic conditions in
spring and summer. This result showed that accumulation
of MeHg in lake water and cycling of MeHg at the
sediment–water interface were associated with some sen-
sitive environmental factors.

TheMeHg contents in water and sediment are influenced by
a wide variety of environmental factors, such as the total and
reactive mercury content, temperature, redox potential, and pH,
as well as the inorganic mercury, sulfur, iron, and organic
matter (Ullrich et al. 2001). However, these factors cannot be
viewed independently as they often interact, forming a complex
system of synergistic and antagonistic effects.

Many physical and chemical characteristics such as pH,
DO, and temperature of both Aha Reservoir and Hongfeng
Reservoir are similar (Table 2), as both reservoirs are located
in the Karst region of Guiyang city. Both DOCs in lake water
and organic matter in the sediments of the Hongfeng
Reservoir were slightly higher than those of Aha Reservoir
(Tables 2 and 3). Even though total mercury of the surface
sediment in Hongfeng Reservoir is two to three times higher
than that in Aha Reservoir, not only the THg pool is important
but also other factors such as microbial activity and the con-
centration of bioavailable Hg are important, as they affect the
efficiency of microbial Hg methylation (Ullrich et al. 2001).
Furthermore, dissolved total mercury in lake water and pore
water of two reservoir had no statistical difference (one-way
ANOVA, p=0.29). The main discernible differences in the
physical and chemical characteristics of Aha Reservoir and
Hongfeng Reservoir are the sulfate, sulfide, iron, and manga-
nese concentrations, which may have resulted in obvious
difference in MeHg cycling at the water–sediment interface.

Impact of sulfur on MeHg cycling at sediment–pore water
interface

In Aha Reservoir, as described above, the MeHg accumula-
tion layer migrated from the top of the sediment to the bottom
of lake water with the migration of the oxic/anoxic boundary
layer. The highest MeHg contents, however, were always at
the top of the pore water even in June and September in
Hongfeng Reservoir. The difference in the FMeHg distribu-
tions was likely caused by a difference in the sulfate reduction
potential at the two reservoirs. Under anoxic conditions, sulfur
(S) cycling may have a significant influence on Hg complex-
ation and methylation. Numerous studies observed that
sulfate-reducing activity would result in an increase in the
production of MeHg (e.g., Shao et al. 2012; Eckley and
Hintelmann 2006), while high sulfide inhibits its methylation,
presumably by affecting the speciation of the dissolved Hg–S
complexes (Benoit et al. 1999; Hammerschmidt et al. 2008).
In Aha Reservoir, the higher sulfate content in February
indicated that the sulfate reduction potential was lower in the
water and sediment profile. The highest sulfate reduction
potential occurred at the subsurface of the sediment, which
corresponds to the highest MeHg concentration at the
subsurface of the sediment in February. In June and
September, lower sulfate content and higher sulfide
concentrations confirmed that the sulfate reduction potential
was stronger throughout the deeper water column and
sediment and the sulfide levels on the top of the pore water
were as high as approximately 20 μM. Berman and Bartha
(1986) observed that MeHg levels in the sediments were
initially directly related to the sulfide concentrations but de-
creased sharply beyond the content of some sulfides.
Although the presence of sulfide can enhance the solubility
of inorganic Hg in the sediment of pore fluids, it also reduces
the fraction of Hg as HgS(0) (Benoit et al. 1999), which was
hypothesized to be available to the methylating bacteria
(Benoit et al. 2001). Hammerschmidt et al. (2008) found that
sulfide enhanced the solubility of Hg(II) but inhibited its
methylation when the sulfide content is greater than

Fig. 9 Relationships between S2
− and FMeHg in pore water
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approximately 10 μM. The research of Schaefer and Morel
(2009) also indicated that the formation of specific mercury
complexes in anoxic waters modulates the efficiency of the
microbial methylation of mercury, and they found that the
addition of 10 μM cysteine resulted in 50 times the rate of
methylation observed in control bottles, but methylation of
mercury was seriously reduced when 10 μM sulfide was
added with cysteine at the same time. The high sulfide con-
tents (approximately 15–20 μM) in the pore water of the Aha
Reservoir might enhance the solubility of Hg(II) in the top of
the sediment cores, whereas the excessive sulfide inhibits the
methylation of mercury in the sediment in June and
September. Thus, there were no relationships between
FMeHg and sulfide (or THg), but a positive correlation be-
tween THg and sulfide was observed in pore water of Aha
Reservoir (Figs. 9, 10, and 11). Although the sulfate reduction
potential was also high in the deeper lake water of the Aha
Reservoir in June and September, most of the sulfide values
were lower than 10 μM. Therefore, the optimal sulfate reduc-
tion potential promoted the accumulation of MeHg in the
deeper lake water of the Aha Reservoir in June and
September.

At the HFDB site, the sulfide levels in the deeper lakewater
were very low, which exhibited that sulfate reduction potential
was weak, likely because of low organic substrates (Table 2).

Therefore, relatively low MeHg in this site is probably be-
cause sulfate reduction potential was too low to promote the
methylation of mercury. In the pore water in June, the sulfide
content was relatively higher than that in lake water. Still, they
were less than 10 μM, which was in the optimal range for the
methylation of mercury. Therefore, high MeHg was observed
in the top centimeters of sediment and pore water. Compared
to Aha Reservoir, FMeHg was positively correlated to sulfide
in pore water of Hongfeng Reservoir (Fig. 9). Simultaneously,
a positive correlation between FMeHg and FTHg was ob-
served (Fig. 10), as sulfate reduction product (sulfide) en-
hanced the solubility of Hg(II) (Fig. 11) when sulfate reduc-
tion activity promoted methylation of mercury in the sediment
of Hongfeng Reservoir. However, higher MeHg levels were
still observed in the pore water in September when sulfide
already accumulated to approximately 20 μM. This result was
observed most likely because MeHg, which had been pro-
duced before the appearance of the high sulfide concentration,
accumulated in sediment, or for some other reasons.

Impact of iron on MeHg cycling at sediment–pore water
interface

The role of iron-reducing activity in methylation of mercury
still remains unclear. Warner et al. (2003) found that potential

Fig. 10 Relationships between
THg and FMeHg in pore water

Fig. 11 Relationships between
S2− and THg in pore water
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rates of methylation were suppressed under iron-reducing
conditions in the sediment. However, some studies (Fleming
et al. 2006) have found that IRBs could methylate mercury at
environmentally significant rates and solid-phase ferric iron
can also be an electron acceptor, especially in the sediments
polluted by AMD. Avramescu et al. (2011) have demonstrated
that iron reduction might influence the net methylation of the
sediment by decreasing the demethylation rather than favoring
methylation. The lines of research of Mehrotra and Sedlak
(2005) have shown that addition of ferrous iron reduced the
net rate of mercury methylation by decreasing the con-
centration of dissolved sulfide. In the sediment of Aha
Reservoir, total iron was much higher than that in
Hongfeng Reservoir, so it could not be precluded that
low MeHg in the top of pore water and sediment of Aha
Reservoir was related with high iron.

There were similar distribution trends for the FMeHg and
total dissolved Fe in the middle and bottom of the sediment
cores. Usually, total dissolved Fe presents as Fe2+ in anoxic
environment (Wang 2004). The distributions of dissolved iron
indicated that the reduction or dissolution of iron mainly
occurred in the middle and bottom of sediment cores
(Fig. 4). Accordingly, there were some small FMeHg and
MeHg peaks in the middle of sediment cores of two reservoirs,
especially in Aha Reservoir (Fig. 8). Therefore, we proposed
that the reduction of iron most likely promoted the methyla-
tion of mercury in the middle of the sediment cores, as some
lines of research indicated that IRBs can methylate mercury
(Fleming et al. 2006).

Summary

We investigated MeHg distribution at the two sampling sites
of Aha Reservoir and at a reference site of Hongfeng
Reservoir. The main differences between the two reservoirs
are mainly chemical characteristics such as sulfate, iron, and
manganese concentrations while the physical parameters were
similar. The MeHg accumulation layer migrated from the top
of pore water into the bottom of lake water with the migration
of the oxic/anoxic boundary layer in Aha Reservoir. In
February, the highest FMeHg contents occurred at the surface
or the subsurface of sediment cores while the highest FMeHg
values appeared in the water columns in September. In con-
trast, the maximum MeHg contents were always in the top of
pore water in Hongfeng Reservoir rather than in the water
column even in summer. In Hongfeng Reservoir, the largest
diffusive flux of MeHg from sediment to water column was in
June, up to 17.7 ng/m2 day, while negative fluxes were ob-
tained in Aha Reservoir in summer. The differences in the
FMeHg distributions were likely caused by the differences in
the sulfate reduction potential of the two reservoirs. In the

sediment of Aha Reservoir, the methylation of mercury was
inhibited by the high sulfide concentration because the sulfide
ions reduced the bioavailability of mercury. In the lake water
of Aha Reservoir and the pore water of Hongfeng Reservoir,
sulfate reduction potential was in the optimal range for meth-
ylation of mercury. Our result supported the assumption that
spring methylation activity may start in sediments and migrate
into the water column with seasonal variation in some season-
al anoxic reservoirs or lakes, but this transitionmay occur only
in some lake with special environmental factors, such as
unusual sulfate reduction potential.
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