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Abstract A greenhouse microcosm study investigated
the impacts of recovered iron oxyhydroxide mine drain-
age residuals (MDRs) on phosphorus (P) and trace metal
distributions at the sediment layer/water column inter-
face in Grand Lake o’ the Cherokees, a large reservoir
receiving waters impacted by both historic mining and
current agricultural land uses. Each mesocosm included
5 kg of lake sediment and 20 L of on-site groundwater.
Three treatments were examined in triplicate: control
(C) with no additions, low MDR (LM) with 0.3 kg
added MDR, and high MDR (HM) with 0.9 kg added
MDR. In the first 10 days, aqueous soluble reactive
phosphorous (SRP) concentrations decreased likely
due to colonizing biomass uptake with no significant
differences among the three treatments. LM and HM
treatments showed delayed peaks in dissolved oxygen
(DO) and lesser peaks in chlorophyll-a (Chl-a) concen-
trations compared to the C treatment, indicating MDR
addition may suppress biomass growth. During days 11
to 138, the C treatment demonstrated increasing pH,
decreasing ORP, and biomass decay resulting in signif-
icantly increased SRP concentrations. In LM and HM
treatments, sufficient P sorption by the MDR main-
tained low SRP concentrations. Although the MDRs
are derived from metal-rich mine waters, all aqueous
concentrations were below both hardness-adjusted acute
and chronic criteria, except for Pb with regard to the

chronic criterion. Metal concentrations in sediments
were below the Tri-State Mining District (TSMD)–spe-
cific Sediment Quality Guidelines (SQGs). MDR addi-
tions may serve as stable long-term P sinks to prevent P
release from dead biomass, decrease internal P cycling
rates, and mitigate eutrophication, with limited concern
for trace metal release.

Keywords Mine drainage residuals . Phosphorus-
sorbingmaterials . Phosphorus removal . Tracemetal
release . Sediment quality guidelines

1 Introduction

Excess nutrient inputs into aquatic ecosystems have
raised concerns about eutrophication and resulting
harmful algal blooms (Sibrell et al. 2009; Ho et al.
2019). Phosphorus (P), a common limiting nutrient in
freshwater systems, often enters lakes and reservoirs via
both external and internal loading sources (Perkins and
Underwood 2001; Chen et al. 2018). External loading
includes contributions from rivers and streams, surface
run-off, and precipitation. Internal loading refers to re-
lease from legacy P sinks in lake or reservoir sediments
(Perkins and Underwood 2001; Jin et al. 2006; Nilolai
and Dzialowski 2014). Therefore, eutrophication con-
cerns are often managed by decreasing external P load-
ing through watershed best management practices (e.g.,
Yang et al. 2014) or water treatment (e.g., Sibrell and
Tucker 2012), and internal sources are often addressed
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by dredging and removal of P-rich sediments (e.g., Yu
et al. 2017).

Phosphorus-sorbing materials (PSMs) have been in-
vestigated as a means to decrease external P loading.
Generally, PSMs can be divided into two categories:
calcium (Ca) and/or magnesium (Mg)-based materials
for P precipitation and iron (Fe) and/or aluminum (Al)-
based materials for P adsorption (Penn et al. 2007;
Christianson et al. 2017). The P-removal mechanism
for Ca/Mg-based PSMs is the precipitation of Ca and
Mg phosphate minerals, which is usually a slow process
but provides a stable and permanent burial of P. The P-
removal mechanism for Fe/Al PSMs is ligand exchange
reactions on sorption sites provided by amorphous Fe/
Al oxide flocs. This mechanism is rapid, but P may be
released upon changes in the oxidation-reduction profile
(Penn et al. 2007; Sibrell et al. 2009; Chen et al. 2015;
Penn et al. 2017; Qin et al. 2018). Fe/Al salts such as
alum (aluminum sulfate) and ferric sulfate have been
applied in municipal and industrial wastewater treat-
ment systems for decades, but the cost of using com-
mercial products for P removal in lakes and reservoirs is
often prohibitive (Penn et al. 2007; Sibrell et al. 2009;
Sibrell and Tucker 2012). Therefore, a need exists to
develop cost-efficient PSMs, perhaps by recycling
waste products, and corresponding methods to utilize
them to address internal and external loadings.

Several studies have been conducted to evaluate P
removal efficiencies of different industrial waste prod-
ucts, including steelmaking slags, fly ash, wood ash,
drinking water treatment residuals, paper mill sludge,
sander dust, mag dust (i.e., waste products from building
practices, composed mainly of calcium oxide and sili-
con dioxide) and waste gypsum, all of which demon-
strated P removal potential, but restricted widespread
application due to lack of local availability and trans-
portation costs (e.g., O’Reilly and Sims 1995; Drizo
et al. 2006; Penn et al. 2007; Sibrell et al. 2009; Spears
et al. 2013). Iron and aluminum oxides generated from
water treatment at mining sites, known as mine drainage
residuals (MDRs), are another option due to their wide
availability (Spears et al. 2013).

Acid mine drainage (AMD) occurs often at aban-
doned coal and metal mines. Exposure of sulfide min-
erals (e.g., pyrite, FeS2) to water and air results in
oxidation reactions producing sulfuric acid and dis-
solved metal species. Other metals in host rock and
adjacent strata (e.g., aluminum (Al), manganese (Mn),
zinc (Zn), and lead (Pb)) can dissolve and be released

into the solution (Stumm andMorgan 1996; Sibrell et al.
2009). Therefore, AMD can cause low pH and elevated
ecotoxic trace metal concentrations in receiving water
bodies. To sustainably treat AMD without constant
chemical and energy inputs, an economical approach
including a sequence of ecologically engineered process
units has been developed, known as passive treatment
(e.g., Hedin et al. 1994;Watzlaf et al. 2004; Hedin 2008;
Skousen et al. 2017; Nairn et al. 2020). Passive treat-
ment systems improve water quality by acid neutraliza-
tion, metal retention, and alkalinity generation through a
suite of designed yet naturally occurring biogeochemi-
cal processes. Oxidation ponds and aerobic wetlands,
common in passive treatment systems, produce MDRs
rich in iron oxyhydroxides (Hedin 2008; Sibrell et al.
2009). Over time, MDRs accumulate in these process
units, and identification and evaluation of reuse oppor-
tunities are critical to system sustainability.

Sibrell et al. (2009) processed MDRs from six dif-
ferent coal mine drainage sites in PA, composed primar-
ily of Fe and Al oxyhydroxides, with minor amounts of
gypsum and unreacted calcite. After drying and pellet-
ization, phosphorus adsorption capacity (PAC) tests
were performed resulting in values as high as
20,000 mg P per kg MDR. Their column tests showed
rapid sorption with 60–90% P removal within the first
5 min of contact time. Stripping recycled MDRs with a
0.1 M NaOH solution showed up to 76% P loss and
demonstrated that MDR materials can be regenerated
and reused for P removal. Wei et al. (2008) performed
MDR batch studies to examine both treatment potential
for secondary wastewater effluent and metal leachabil-
ity. They built Freundlich isotherm sorption models to
estimate PAC ranges using different wastewater effluent
concentrations. In the PAC tests, they found over 98% P
removal efficiency and, in later leaching tests, no appre-
ciable trace metal release over a typical pH range of 6–8.
The study carried out by Han et al. (2005), instead of
directly using MDRs, examined modified lignocellulos-
ic fibers with surface-precipitated AMD materials to
remove at least 40% of P from water with 59 mg P/L
influent concentrations. Their study showed that the
sorption capacity of such modified fibers was higher
than other conventional adsorbents and a pseudo
second-order kinetic model fit well. Heal et al. (2005)
tested the P removal performance of MDR from waste-
water in laboratory experiments, achieving a 90% P
removal rate, and in field investigations where MDR
added into constructed horizontal flow wetlands
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achieved a mean P removal efficiency of 27 ± 28%
during a 15-month monitoring period. They found that
a hydraulic design was key to P removal as they docu-
mented short-circuiting which limited the full P removal
capacity of the MDR. Dobbie et al. (2009) report on a
follow-up study which involved two long-term field
tests (a 3-year experiment at Leitholm in Scotland and
a 9-month experiment at Windlestone in England) and
concluded that MDR-based treatment systems had con-
siderable potential to remove P with a lifetime estimated
to be ten times longer than other tested substrates, with
no observed toxic metal releases.

Although these results demonstrate potential utility,
most MDR P-removal studies are based on treating
wastewater with much higher levels (often >10 mg
P/L) than eutrophic lake waters. Therefore, the sorption
performance achieved at such elevated P levels may not
apply to natural water conditions (typically less than
1 mg P/L). Most of the cited MDR-based studies were
performed in flow-through columns, batch reactors, or
experimental wetlands to address external P loading.
However, no research was found on direct application
of MDR in lakes and reservoirs to address internal P
loading. In previous studies, examinations of trace metal
leachability focused on water column concentrations
without investigation into sediment levels. Therefore,
this study aimed to fill these data gaps by attempting
to (i) estimate MDR-based P removal performance at
natural water concentrations and for reservoir sediments
to address internal loading and (ii) evaluate trace metal
changes in both the water column and sediments.

2 Material and Methods

2.1 Study Site Description

Grand Lake o’ the Cherokees (GLOC) is a large eutro-
phic multipurpose reservoir (surface area approximately
19,000 ha) which experiences seasonal algal blooms
(Morrison et al. 2017). Historically, P has been an
important excess nutrient in this 27,000-km2 predomi-
nantly agricultural watershed, and internal P loading
contributes to seasonal variations in TN:TP ratios such
that limiting nutrients change (Nilolai and Dzialowski
2014).

Background water quality and sediment samples
were collected from GLOC in the Sycamore Flats area
(Fig. 1; 36° 44′ 44.2″N, 94° 44′ 9.6″W).Water samples

were collected using a depth-discrete horizontal water
sampler just above the sediment layer/water column
interface. Water depths were approximately 1.1 m. Lake
surface sediments were collected using a Ponar dredge
from 0 to 10 cm sediment depth. After collection, all
samples were stored and transported at 4 °C in coolers
filled with ice before delivery to the University of Okla-
homa Center for Restoration of Ecosystems and Water-
sheds (CREW) laboratories.

2.2 Phosphorus-Sorbing Material: Mine Drainage
Residuals

The headwaters of GLOC are located approximately
33 km downstream (via Tar Creek and the Neosho
River) from the center of the Tar Creek Superfund Site,
the northeast Oklahoma portion of the now derelict Tri-
State Lead-Zinc Mining District (TSMD) (Fig. 1). Cur-
rently, four National Priority List (NPL) Superfund Sites
are located in TSMD: Tar Creek in Oklahoma, Chero-
kee County in southeast Kansas, and two additional sites
in Jasper and Newton Counties in southwest Missouri
(Garvin et al. 2017). The entire TSMD drains to GLOC
through the Neosho and Spring Rivers.

At the Tar Creek Superfund Site, the Mayer Ranch
passive treatment system (MRPTS) has received
artesian flows of trace metal–contaminated mine water
since late 2008 (Fig. 1). Iron is successfully retained in
the oxidative process units (including an oxidation pond
and two surface flow wetland units), and 99% overall
iron removal is achieved, decreasing concentrations
from 175 ± 25 to 0.65 ± 0.98 mg Fe/L (n = 184). Ap-
proximately 57,000 kg iron is retained annually
(Oxenford 2016). MDR used in this study was collected
from the MRPTS oxidation pond (Table 1, Oxenford
2016). MDRs were air-dried and ground to <0.85 mm
before use in this mesocosm study.

2.3 Microcosm Setup

Greenhouse microcosms were established at the Univer-
sity of Oklahoma Aquatic Research Facility using 25-L
borosilicate glass vessels, each with 5 kg wet GLOC
sediment and 20 L on-site ground water. To avoid
chemical and biological variability due to long-
distance transport of lake water, on-site ground water
was used and periodic sampling demonstrated similar
quality to the lake water. Three treatments were
established in this study: control (C) with only sediment
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and groundwater; lowMDR addition (LM)with ground
water and 0.3 kg dry MDR addition (to 5 kg lake
sediments); and high MDR addition (HM) with ground
water and 0.9 kg dry MDR addition. The ratios of 1:10
and 3:10MDR to lake sediment (dry weight:dry weight)
were selected based on preliminary bench-scale studies.
MDR was added on the surface of the lake sediments
without mixing to mimic potential future applications of
dosing MDR onto the surface of eutrophic lake
sediments.

Each treatment included triplicates, resulting in nine
experimental vessels. After initial setup, all vessels were
allowed to equilibrate for 2 days before initial sample
collections.

2.4 Sampling Process and Chemical Analysis

Water samples were collected at days 0, 1, 2, 4, 6, 8, and
10 (short-term) and days 40, 75, 102, and 138 (long-
term). Water samples were obtained at 10 cm above the
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Fig. 1 a Location of Grand Lake o’ the Cherokees, Tar Creek
watershed, and Tri-State Mining District showing Sycamore Flats
(water and sediment sampling location), andMayer Ranch passive
treatment system (MDR sampling location). Insert map b shows

the location of study site to Grand Lake o’ the Cherokees water-
shed. Insert map c shows the location of the watershed in Oklaho-
ma, Kansas, Missouri, and Arkansas

Table 1 Characterization of MDR collected from MRPTS oxidation pond (Oxenford 2016)

Crystallinity (%) Mean particle size (μm) D60/D10 Surface area (m2/g) Color Organic content (%) Mineral phase

17.4 11.7 14.3 244 Yellowish red 4.3 Goethite
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sediment layer/water column interface using a siphon-
ing technique. For each sampling event, approximately
750 mL of water was siphoned from each vessel and
replaced by supplemental ground water to replenish
water losses due to sampling and evaporation. All sam-
ples were analyzed for soluble reactive phosphorus
(SRP) using the ascorbic acid method (EPA Method
365.3).

Although no biomass was intentionally added to any
vessel, algal biomass blooms and subsequent decay
were observed during the study. Therefore,
chlorophyll-a (Chl-a) concentrations were analyzed
using a hot-ethanol extraction method (Chen et al.
2006), in which the water samples were filtered with
Whatman glass microfiber filters (GF/F) and extracted
with 90% ethanol in an 85 °C water bath for 2 min and
stored at room temperature for 5 h, then analyzed by
using a Cole-Parmer SQ2800 UV/visible spectrometer
at 665 and 750 nm.

Samples for aqueous total metal (TM) and dissolved
metal (DM) analyses underwent microwave hot HNO3

digestion (EPA Method 3015 using a CEM MARS
Xpress Digestion System) and were analyzed via induc-
tively coupled plasma-optical emission spectrometry
(ICP-OES) (EPA Method 6010 using a Varian Vista-
Pro simultaneous axial ICP-OES) for a suite of trace
metals: silver (Ag), aluminum (Al), arsenic (As), barium
(Ba), calcium (Ca), cadmium (Cd), cobalt (Co), chromi-
um (Cr), copper (Cu), iron (Fe), lithium (Li), magne-
sium (Mg), manganese (Mn), sodium (Na), nickel (Ni),
lead (Pb), selenium (Se), silicon (Si), and zinc (Zn).
Only selected metals are reported.

A YSI 600QS multiparameter datasonde coupled
with a YSI 650 display was used to collect and record
physicochemical water quality data approximately
10 cm above the sediment layer/water column interface.
These data include pH, water temperature (Temp), sa-
linity, specific conductance, total dissolved solids
(TDS), dissolved oxygen (DO) (in mg/L and % satura-
tion), and oxidation-reduction potential (ORP). Samples
of any supplemental ground water were collected and
analyzed as described above.

Sediment and MDR samples were collected at the
initial stage (before setup) and final stage (after the last
set of water sample collections) of the study and mea-
sured gravimetrically for moisture content (MC) and
organic content (OC) as loss-on-ignition through the
American Society for Testing and Materials methods
(ASTM D2974). Solid-phase P was extracted with

ammonium bicarbonate-diethylenetriaminepentaacetic
acid (AB-DTPA) (Kuo 1996), representing the P frac-
tion bound to Fe, Al, and Mn oxides and hydroxides,
and was analyzed following EPA Method 365.3 (SSSA
1996). Sediment samples for total recoverable metal
analyses underwent microwave hot HNO3 digestion
(EPA Method 3051) and were analyzed via ICP-OES
(EPA Method 6010), similar to the water samples.

2.5 Statistical Analysis

Statistical significance of differences analyses were per-
formed with one-way analysis of variance (ANOVA)
using the SPSS 24.0 software. A p value <0.05 was
considered significant. When differences between treat-
ments were significant, least significant difference
(LSD) tests were performed as a post hoc study. Varia-
tions in results were reported in terms of standard devi-
ations (± SD).

3 Results and Discussion

3.1 Physicochemical Water Quality Parameters
and Chl-a

Over the summer-fall study period, water temperatures
ranged from 21.3 to 27.2 °C with no significant differ-
ences among the three treatments (p = 0.934) but signif-
icant initial decreasing and later increasing trends over
time (p < 0.0005), due to prevailing weather conditions.
pH ranged between 6.9 and 7.7 during the first 8 days
and 8.2 and 10.0 from day 10 to day 138 with no
significant differences among treatments (p = 0.974)
and signif icant increasing trends over t ime
(p < 0.0005) (Fig. 2a). For these figures, smaller inset
figures are inserted to the upper right corner, showing
the entire 138-day study period, while the larger figures
show details for the first 10 days of the study. The insert
figures share the same x- and y-axis units as the original
figures. Temporal increases in pH were likely due to
photosynthetic activity of colonizing biomass (Jin et al.
2006; Chen et al. 2018). ORP ranged between 189 and
242 mV during the first 8 days and 32 and 234 mV from
day 10 to day 138 with no significant differences among
treatments (p = 0.923) but significant decreasing trends
over time (p < 0.0005) (Fig. 2b). Decreasing ORP
values over extended time periods have been
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documented by other studies (Drizo et al. 2002; Dobbie
et al. 2009), probably due to existing Fe (II) in theMDR.

DO concentration, ranged between 7.0 and 27.6 mg/
L (Fig. S1), showed no significant differences among
treatments (p = 0.660), and demonstrated a significant
increasing trend over the first 4–6 days followed by a
decreasing trend until day 138 (p < 0.0005). During the
first 6 days, the time to peak DO concentration may
have been delayed by MDR addition (C < LM<HM)
indicating the potential effects of mixed valence iron
precipitates on water chemistry.

No biomass growth was observed at the initial setup
stage of the study, and no algal biomass was added into
treatments during the entire study period. However,
colonizing algal biomass blooms and decay were ob-
served during the study. Chl-a concentrations ranged
between 1.4 and 121.8 μg Chl-a /L (Fig. S2), showed
no significant differences among treatments (p = 0.976),
and showed no significant trends over time (p = 0.080).
MDR addition treatments had lesser peak Chl-a concen-
tration (LM and HM) and delayed peak over time (HM),
which may indicate that MDR additions inhibited initial
algal biomass growth.

3.2 Nutrient Concentrations in Water and Sediment

SRP concentrations ranged from 0.001 to 0.678 mg P/L
(Fig. 3). From day 0 to day 75, SRP showed no signif-
icant differences among the three treatments (p = 0.876)
and significant decreases over time (p < 0.0005). During
the initial stages, the added MDR did not result in

significant water column P concentration changes com-
pared to C treatments. However, from day 75 to day
138, SRP showed significant differences among three
treatments (p = 0.003), with C treatments showing sig-
nificant increase in SRP (p = 0.010) while LM and HM
treatments showing no significant changes in SRP (p =
0.127 for LM, p = 0.208 for HM, respectively). Three
major mechanisms may contribute to increasing SRP
concentrations. First, increasing pH over time (pH 9.3–
10.0 between day 40 and day 138) exceeded the point of
zero charge (PZC) of natural iron oxyhydroxides, typi-
cally between 5 and 8 (Schwertmann and Fechter 1982).
Neely (2010) found a PZC of 7.24 ± 0.42 for MRPTS
MDRs. Available binding sites for phosphate were de-
creased due to the negatively charged solid surface and
competition with hydroxyl ions (Jin et al. 2006; Peng
et al. 2007; Wei et al. 2008). Second, decreasing
redox potentials may have impacted Fe(III)-bound
phosphorus leading to a release of P from the
sediment (Jin et al. 2006; Chen et al. 2014;
Wang et al. 2019). Third, biomass growth and
subsequent death and decay in the latter stages of
the study also drove changes in pH and ORP that
caused sediment P release as well as the P release
from degraded biomass cells (Chen et al. 2014;
Chen et al. 2018). The C treatment showed a
significant SRP release, while LM and HM treat-
ments did not, because the added MDR had sub-
stantial P sorption capacity and provided a greater
buffer regarding increased P release due to chang-
es in pH, ORP, and biomass decay.
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Fig. 2 pH (a) and ORP (b) of three treatments over the study time. Data are mean ± SD. The original figure shows details of the first 10 days
of the study, while the insert figure shows the entire 138-day study period
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Solid-phase P concentrations for lake sediments and
MDRs were compared between the initial and final
stages (Table 2). P concentrations in lake sediments
showed no significant difference among the four sedi-
ment groups analyzed (initial sediment, control sedi-
ment, sediments with low MDR addition, and sediment
with high MDR addition) (p = 0.356). The LSD post
hoc tests showed no differences between groups
(p > 0.05). P concentrations in MDRs showed signifi-
cant differences among the three groups analyzed (initial
MDR, MDR from low MDR addition, MDR from high
MDR addition) (p = 0.001). The LSD post hoc tests also
showed treatments were different, except betweenMDR
from the low and high additions (p < 0.0005 for all,
except p = 0.919 for low additionMDR vs high addition
MDR).

The initial lake sediment had almost 13 times greater
P concentration than the MDR at setup. By the end of
the 138-day study, P concentrations in the lake sedi-
ments were ranged between 32 and 37 mg P/kg.

However, P concentrations in the final MDRs increased
almost tenfold from 2.52 to around 25 mg P/kg. These
increased final P concentrations in MDRs show that the
added MDR sorbed substantial P from this system.

The change of P mass in the three major components
of the study system (water column, sediment and MDR,
if applicable) was compared for all nine vessels
(Table 3). Water P masses were calculated based on
the SRP concentrations, while sediment and MDR P
masses were calculated based on the AB-DTPA extract-
ed P concentrations. Compared to the C treatment, both
LM and HM treatments showed decreased water P mass
and increased MDR P mass, demonstrating that added
MDR arrested P release into the water column. HM
treatments showed greater increases in solid-phase P
mass, which showed that the added MDR served as a
P sink in this system.

3.3 Metal Concentrations in Water and Sediment

For all dissolved metal (DM) samples, Fe, As, and Cd
concentrations were below the practical quantitation
limits (PQLs) of 0.003 mg Fe/L, 0.02 mg As/L, and
0.0006 mg Cd/L, respectively. Compared to the
hardness-adjusted National RecommendedWater Qual-
ity Criteria (NRWQC) (U.S.EPA 2014), other dissolved
metal concentrations were below both the acute criterion
maximum concentration (CMC) and the chronic criteri-
on continuous concentration (CCC), except for Pb with
regard to the CCC. Also, compared to the National
Secondary Drinking Water Regulations (NSDWRs)
(U.S.EPA 2008), all dissolved metal concentrations
were below secondary maximum contaminant levels
(SMCLs) except for Mn and Zn. These results show
that the majority of trace metal concentrations were
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Fig. 3 Soluble reactive
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entire 138-day study period

Table 2 Initial and final sediment phosphorus concentrations and
percent changes for different treatments. Data shown are means

P concentration
(mg P/kg)

Change
(%)

Initial Sediment 32.55 –

MDR 2.52 –

Final Control sediment 33.56 3.09

LowMDR addition sediment 32.19 − 1.12

High MDR addition
sediment

37.53 15.28

Low MDR addition MDR 25.18 898.91

High MDR addition MDR 24.84 885.42
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below relevant criteria, and therefore, concerns about
trace metal contamination to the water column from
added MDRs were minimal, a result supported by
Sibrell et al. (2009).

For aqueous total metal (TM) concentrations, As and
Cd concentrations for all samples were below the

practical quantitation limit (PQL). Measurable concen-
trations of Fe, Ni, Pb, and Zn concentrations were
plotted versus time (Fig. 4). For Ni and Zn, there were
no significant differences among the three treatments
(p = 0.893 and p = 0.865, respectively), but significant
decreasing trends over time (p < 0.0005 and p < 0.0005,

Table 3 The change of P mass in three components of each vessel before and after the 138-day study period. NA indicated not applicable

Change of water P (mg) Change of MDR P (mg) Change of sediment P (mg) Change of summed P (mg)

C1 3.84 NA 20.93 24.78

C2 13.61 NA 5.89 19.50

C3 15.68 NA − 17.76 − 2.08

LM1 − 2.27 5.58 4.99 8.30

LM2 − 1.65 7.78 − 6.30 − 0.16

LM3 − 1.08 7.03 − 1.98 3.97

HM1 − 0.83 19.05 21.32 39.54

HM2 − 1.34 25.65 16.57 40.87

HM3 − 2.17 15.55 6.90 20.28
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Fig. 4 Total metal (TM) concentrations for Fe (a), Ni (b), Pb (c), and Zn (d) for three treatments over the study time. Data are mean ± SD.
The original figure shows details of the first 10 days of the study, while the insert figure shows the first 75 days of the study
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respectively). For Fe and Pb, there were no significant
trends over time (p = 0.609 and p = 0.838, respectively),
but significant differences among the three treatments
(p = 0.020 and p < 0.0005, respectively). LSD post hoc
tests showed that C treatments were significantly differ-
ent from HM (p = 0.006) for Fe and different from LM
and HM (p = 0.001 and p < 0.0005, respectively) for Pb.
It should be noted that metal samples were not collected
on day 102 and day 138, due to the observed relatively
constant concentrations.

During the first 10 days of the study, HM treatments
showed peak total Fe concentration at day 6, and all total
Fe concentrations for LM and HM treatments were
greater than C treatments, except for LM at day 8,
indicating that the MDR addition treatments, not sur-
prisingly, resulted in increased Fe concentrations. In-
creasing SRP concentrations after day 40 in the C treat-
ments (due to decay of colonizing biomass) indicate that
settled dead biomass promoted P release from both the
sediment and through biomass decomposition. Howev-
er, SRP concentrations were unchanged in LM and HM
treatments with abundant Fe-binding sites, which cap-
tured any released P. Perkins and Underwood (2001)
found Chl-a to be significantly correlated to Fe-bound P
in the water column, which indicates the link between
algal biomass and available P from internal loading.
Chen et al. (2014) also observed similar results that
settled cyanobacteria/organic matter promoted the

mobilization of sediment P and enhanced the sediment
P release. These authors concluded that an effective
future bloom control method was to remove the current
bloom biomass and dredge P-rich sediments, a costly
endeavor.

LM and HM treatments demonstrated greater total Pb
concentrations at the end of study, indicating that MDR
addition may have introduced some level of trace
metals. For Ni and Zn, all treatments showed decreasing
trends over time, which may be attributed to absorption
during biomass growth and adsorption on the dead
biomass materials (Fielding 2017). Of these three
metals, only Pb is not a critical micronutrient, thus
supporting the supposition regarding potential impor-
tance of biological uptake.

Solid-phase metal concentrations, for both lake sed-
iments and MDR, were compared between the initial
and final stages (Table 4). For lake sediment, there were
significant differences among the four groups (initial
sediment, control sediment, sediments with low MDR
addition, and sediment with highMDR addition) for As,
Mn, Ni, Cd, Fe, Pb, and Zn (p < 0.0005, p = 0.001, p =
0.002, p = 0.028, p = 0.010, p = 0.001, p = 0.002, re-
spectively), and LSD post hoc tests showed initial and
control treatments were significantly different from LM
and HM treatments (p < 0.05) for all metals. For MDR,
there was no significant difference among the three
treatment groups (initial MDR, MDR from low MDR

Table 4 Initial and final solid-phase metal concentrations and percent changes for different treatments. Data shown are means

Treatment As Mn Ni Cd Fe Pb Zn

mg/kg

Initial Sediment 4.40 537.2 11.5 3.50 13,758 51.0 390.5

MDR 382.7 280.3 285.6 58.5 483,228 803.7 10,119

Final Control sediment 4.40 487.4 12.1 3.40 14,123 53.2 407.3

Low MDR sediment 15.2 400.6 25.2 5.60 31,063 84.4 781.9

High MDR sediment 22.4 359.3 27.4 6.20 35,175 86.5 780.8

Low MDR MDR 368.4 747.5 296.2 52.6 434,621 783.7 9610

High MDR MDR 377.7 480.7 287.0 58.2 478,393 815.6 9447

% Change

Control sediment 0.99 − 9.26 5.18 − 2.77 2.66 4.26 4.30

Low MDR sediment 246.83 − 25.41 118.39 58.38 125.78 65.28 100.22

High MDR sediment 410.67 − 33.11 138.12 76.35 155.67 69.43 99.94

Low MDR MDR − 3.73 166.67 3.74 − 10.04 − 10.06 − 2.50 − 5.03

High MDR MDR − 1.29 71.48 0.51 − 0.47 − 1.00 1.47 − 6.64
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addition, MDR from highMDR addition) for all studied
metals, except for Mn (p = 0.004), and LSD post hoc
tests showed that each treatment was different from the
others for Mn (p = 0.001 for initial MDR vs MDR from
low MDR addition, p = 0.049 for initial MDR vs MDR
from high MDR addition, p = 0.017 for MDR from low
MDR addition vs MDR from high MDR addition).

At the initial setup, As, Ni, Cd, Fe, Pb and Zn
concentrations were greater, but Mn concentration was
lesser in MDRs than in the lake sediments. Elevated
trace metal concentrations in the LM and HM-
associated sediments were likely due to contact with
the MDRs as the corresponding concentrations in
MDR from both low MDR addition and high MDR
addition slightly decreased in the final samples. Mn
appeared to be exported from lake sediment to MDRs,
as increases were seen in the final MDR from both low
MDR additions and high MDR additions, with de-
creases in all sediments. Metal concentration changes
between lake sediments and MDRs were likely due to
both reactive exchanges facilitated with pore water
(López et al. 2010; Torres et al. 2015) and inevitable
incidental mixing at the final solid sample collection.

Sediment metal concentrations were compared to
TSMD-specific Sediment Quality Guidelines (SQGs)
(Ingersoll et al. 2009). Table 5 lists metal concentrations
compared to probable effects concentrations (PECs),
above which harmful effects on sediment-dwelling or-
ganisms were expected to occur frequently.

For both initial and final lake sediments, results
showed that none of the treatments exceeded the TSMD
PECs. For MDRs, all treatments exceeded the TSMD
PECs, which was not unexpected since MDRs were
precipitated from the mine drainage that contains ele-
vated ecotoxic trace metal concentrations. The fact that

the sediments after addition of MDRs showed metal
concentrations that were still less than SQGs supports
future applications ofMDR dosing to achieve P removal
in eutrophic reservoirs with subsequent withdrawal of
MDR after saturation with P. During the entire period
when MDRs were in contact with the water column and
sediment layer, no significant trace metal release was
observed, indicating MDR as an effective and safe P-
sorbing material, although Pb was found to be greater
than the NRWQC CCC for on-site ground water.

4 Conclusions

In this study, MDR additions to the surface of lake
sediments in greenhouse microcosms did not show sig-
nificant decreases in aqueous P levels during the first
10 days when colonizing biomass was growing com-
pared to the control treatment. However, in the long-
term (days 11–138), after growth, death, and decay of
colonizing algae, both MDR treatments showed relative
constant levels of P and Fe, while C treatments demon-
strated significant P increases in the water column.
MDR additions appeared to serve as a long-term internal
P loading control method to prevent the release of labile
P back into the water column after algal bloom growth
and decay, a known source which could enhance future
blooms. The comparison of aqueous metal concentra-
tions to NRWQCs and NSDWRs showed limited con-
cerns for trace metal release from MDR additions, with
only Pb above one criterion, meriting further study.
Sediment metal concentrations for all samples were
below the TSMD site-specific SQGs, indicating that
there was no significant toxicity introduced to the sed-
iment layer after MDR addition. Metal concentrations in

Table 5 Solid metal concentration ranges (mg/kg) compared to SQGs

Zn Pb Cd

TSMD PEC 2083 150 11.1

Initial sediment 387–395 49.4–53.0 3.4–3.6

Final control sediment 366–437 51.0–54.9 2.6–4.5

Final low MDR addition sediment 686–845 78.6–90.0 4.1–6.4

Final high MDR addition sediment 563–909 67.6–96.8 4.5–7.1

Initial MDR 9447–10,517 765.0–849.0 55.6–62.3

Final low MDR addition MDR 9068–10,217 743.7–812.5 48.5–57.7

Final high MDR addition MDR 7975–10,221 692.9–892.9 51.2–61.9
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MDRs, however, exceeded TSMD site-specific SQGs.
MDR additions to lake sediments may provide an effec-
tive internal P loading control option. In targeted areas
of elevated nutrient concentrations and known initiation
of algal blooms, like sheltered coves in reservoirs, lim-
ited MDR addition in shallow waters may provide sub-
stantial benefit to control eutrophication.

Supplementary Information The online version contains sup-
plementary material available at https://doi.org/10.1007/s11270-
021-05016-3.
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