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Abstract The release of arsenic (As) from sediments
poses a risk to human health especially at high pH
levels. Despite this, the distribution and kinetic response
of mobile As remains unclear under varying pH condi-
tions. In this study, a microcosm incubation experiment
was performed, using sediment cores in combination
with dialysis (Peeper) and thin film diffusive gradients
(DGT), to investigate the distributions of mobile As
(soluble As in pore water and DGT-labile As) at high
vertical resolutions (2–4 mm). Results show that the
concentrations of soluble As present in the water col-
umn increased 1.5-fold with an increase in pH from 5.4
to 11.2. Both soluble As in pore water and DGT-labile
As exhibited stable low-level distributions in the upper-
most layer beneath the sediment-water interface, follow-
ed by increasing concentration distribution with de-
creasing layers to middle depths. The mean concentra-
tions of mobile As species increased with increased
water pH in both sediment profiles and with upward

diffusion gradients, showing a 0.2-fold increase of sol-
uble As in the top 20-mm layer and a 0.6-fold increase in
deeper 20–52-mm layers, while DGT-labile As showed
a 1.0- and 1.1-fold increase in these two layers, respec-
tively. Modeling of DGT-induced flux in sediments
(DIFS) showed that the desorption rate constant in-
creased more rapidly than the absorption rate constant,
resulting in the increased availability of solid As pools,
therefore resupplying the soluble As in pore water from
sediments.

Keywords pH . Redox state . Sediment . Arsenic . Zr-
oxide DGT

1 Introduction

The element arsenic (As) is highly toxic to organisms
and has been ranked by the International Agency for
Research on Cancer (IARC) as a group 1 carcinogen
(Wang and Mulligan 2006; Mittal et al. 2014;
Roggenbeck et al. 2016). Additionally, arsenic com-
pounds are considered a highly dangerous environmen-
tal contaminant (Mandal and Suzuki 2002; Kaur et al.
2011; Du et al. 2015), with the World Health Organiza-
tion recommending a maximum permissible concentra-
tion of 10 μg L−1 in drinking water (Gorchev and
Ozolins 2004). It has been established that sediments
in high-As waters typically store high levels of As (Gao
et al. 2013), acting as a major sink for As in surface
aquifers and groundwater systems and therefore posing
the risk of As release into water systems. Arsenic
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deposits in sediments have been found to be dominated
by inorganic As(V) and As(III), which exist in neutral
form (H3AsO3) or as oxyanions (H2AsO4

− and HAsO4
2

−) under circumneutral pH conditions (Smedley and
Kinniburgh 2002).

The mobility of As in sediments depends on mul-
tiple processes including oxidation/reduction, com-
plexation/precipitation, adsorption/desorption, and
dissolution of As-bearing phases (Matera et al.
2001; Lock et al. 2017). pH is a critical and funda-
mental variable in influencing the elemental biogeo-
chemistry of sediments. Sediment surface charge is
pH-dependent and controlled by the transfer of pro-
tons between pore water and mineral surfaces (Wang
and Liang 2015). When the environmental pH is
lower, equal to, or higher than the pH point of zero
charge (pHzpc) on the mineral surface, the surface
charge will be characterized as positive, zero, or neg-
ative, respectively. Accordingly, negatively charged
As(V) will be adsorbed on to the mineral surfaces at a
differing rate and strength, due to electrostatic attrac-
tion or repulsion. The main As-bearing minerals in
aquifer sediments are Fe(III) (hydr)oxides which are
predominantly positively charged at pH 3.7–7.0 and
negatively charged at pH 8.0–10.0 (Dixit and Hering
2003; Guo et al. 2014; Zhang et al. 2004). Therefore,
the adsorption of As(V) in sediments is generally
stronger under acidic conditions and weaker under
alkaline conditions, while the effect of pH on As(III)
is weakened due to its incomplete ionized state
(Mamindy-Pajany et al. 2011; Maji et al. 2007).
Rubinos et al. (2011) observed an interactive effect
between pH, As, and time, where the short-term re-
mobilization of As in sediments occurred via desorp-
tion under natural pH conditions (especially in the
presence of phosphate), whereas dissolution of the
solid phase may be involved under both acidic and
alkaline conditions. Ma et al. (2015) further found
that the pH played a key role in weak As adsorption
processes, especially with water-soluble As, due to
reduced pH causing an adsorption intensity increase
from water-soluble form to the amorphous (hydr)ox-
ide-associated form. Despite much advancement in
this field in recent years, there are still only few
reports on the kinetics of As release in sediments
under varying pH conditions.

The traditional batch sorption approach has com-
monly been adopted in investigating the effects of pH
on As mobility, in which the sediments used

experimentally were mixed to form a homogeneous
sample prior to testing. However, sediments have
been shown to possess high heterogeneity in the dis-
tribution of chemicals and substances involved in
biogeochemical processes (Ding et al. 2015; Santner
et al. 2015; Stockdale et al. 2009). It has been found
that various biogeochemical processes affect the par-
t i t i on o f As in sed imen t s , i nc lud ing i ron
oxyhydroxide redox cycling, the availability of man-
ganese oxides and organic matter, the thickness of the
oxic layer and its co-precipitation with sulfides or iron
sulfides, and macrozoobenthos bioturbation and hy-
drodynamics (Aziz et al. 2017; Bennett et al. 2012a;
Yao et al. 2016). These processes may cause large
variation in the distribution of labile As, in both
vertical and horizontal directions of sediment
profiles. A series of vertical profile investigations at
the millimeter scale have been performed by Sun et al.
(2016, 2017) and Wang et al. (2016) using a passive
sampling technique of diffusive gradients in thin films
(DGT). These studies observed that the maximal con-
centration of DGT-labile As was detected in deep
sediment layers, with concentrations one to two or-
ders of magnitude greater than those detected at the
sediment-water interface (SWI). The competitive ef-
fects of phosphate on the promotion of As mobiliza-
tion in sediments have also been confirmed at the
millimeter scale and are visible up to a depth of
60 mm (Sun et al. 2017). Therefore, high-resolution
investigations are required to understand the effects of
pH on As release in sediments, taking spatial dynam-
ics and the heterogeneity of effect into consideration.
The high-resolution dialysis technique Peeper is valu-
able in assessments of this kind, where in combination
with DGT; this technique provides the distribution of
soluble As in pore water from sediments at a resolu-
tion of 2 to 4 mm (Ding et al. 2010a; Xu et al. 2012).

The purpose of this study was to reveal the effects
of pH on the mobility of As in sediment profiles. An
incubation experiment was performed using sediment
cores, where the water column pH was conditioned
from weakly acidic to strongly alkaline conditions,
respectively. High-resolution Peeper and DGT tech-
niques were used to obtain the high-resolution distri-
butions of pore water-soluble As and labile As in
sediments, with DGT-induced fluxes in sediments
(DIFS) additionally used to simulate the kinetics of
As release from labile solid As pools, under varying
pH conditions.
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2 Materials and Methods

2.1 Preparation of the DGT and Peeper Probes

Zr-oxide DGT was provided by EasySensor Ltd.
(Nanjing, China; www.easysensor.net) and was used
to measure DGT-labile As in sediments at a 2.0-mm
vertical spatial resolution (Ding et al. 2010a; Sun et al.
2014). The probe was assembled according to the
method by Ding et al. (2015). A Zr-oxide binding
gel was sequentially covered by an agarose diffusive
gel and a polyvinylidene fluoride (PVDF) membrane
(Durapore®, Millipore; 0.10-mm thickness, 0.45-μm
pore size), then sealed using a flat DGT holder (Ding
et al. 2016). The assembled DGT probe was soaked in
0.01 M NaCl and deoxygenated with nitrogen for a
minimum of 16 h prior to deployment in sediments.

The Peeper technique was used to measure soluble
As in pore water at a 4.0-mm vertical spatial resolution
(Ding et al. 2010b). The Peeper was constructed of
perspex plates (20-cm length) with 30 equally spaced
chambers, each containing 200-μL volume of deionized
water and covered with a 0.45 μm PVDF membrane.
Following this, the Peeper was soaked in 0.01 M NaCl
and deoxygenated with nitrogen for at least 16 h prior to
deployment in sediments.

2.2 Experimental Setup

2.2.1 Sediment Core Incubation

Sediments used in experiments were collected from
Meiliang Bay of eutrophic Taihu Lake (31°30′31.1″
N, 120°10′31.0″E), the third largest freshwater lake in
China. A total of 21 sediment cores (11-cm diameter;
40-cm length) were collected using a gravity corer
(11 cm × 50 cm, Rigo Co., Japan) on 26 April 2016,
with water samples also collected in the same sites.
Sediment cores were then sectioned at 2-cm intervals
and the sediment layers from corresponding depths
were pooled together and completely homogenized to
eliminate lateral heterogeneity in natural sediments
(Ding et al. 2015). Sediments were sieved with a
0.6-mm pore-size mesh to remove macrofauna and
large particles. Sediments were then aliquoted into
21 perspex tubes in accordance with their original
depths, then placed in seven tanks filled to a depth
of 45 cm with filtered lake water. The seven micro-
cosm tanks were incubated at 25 °C for 2 months, and

water was aerated by pumped for 5 min every hour to
maintain O2 saturation during the entire incubation
period.

At the end of the pre-incubation phase, the pH values
in the microcosm water columns were adjusted with
0.1 M NaOH or 0.1 M HCl, with pH adjustment per-
formed in stages from its original level of pH 8.1 to pH
5.4, pH 6.5, pH 7.1, pH 8.8, pH 10.0, and pH 11.2,
respectively. Each microcosm tank was maintained for
20 days, where during each treatment the pH was re-
conditioned daily to ensure stability.

2.2.2 Sampling

On the 18th day of incubation, each pH treatment
column had a Peeper probe inserted into the sediment
core, then following 24 h the DGT probe was also
inserted into the same core. Both probes were left in
situ for a further 24 h, at which point the Peeper and
DGT probes were retrieved. The surface of the Peeper
filter membrane was cleaned sequentially using wet
filter papers and deionized water. Plastic membranes
were then placed on the surfaces of the sampler filter
membranes to prevent oxidation of pore water sam-
ples. Pore water samples were immediately collected
using a pipette, with a volume of about 200 μL ex-
tracted from each chamber. The DGT probes were
stored in sterile plastic bags and kept moist prior to
analysis.

2.3 Chemical Analysis

The retrieved Zr-oxide DGTwas analyzed according to
the procedure by Sun et al. (2014). Briefly, the retrieved
Zr-oxide gel was sliced at 2.0-mm intervals and each gel
slice was washed with 0.4 mL of 1.0 M NaOH eluent,
with the extract then used for analysis of DGT-labile As
concentrations.

The 200 mL pore water samples collected from
retrieved Peeper chambers were immediately used
for the analysis of soluble As. Concentrations of sol-
uble As in all samples (pore water samples, DGT
eluent samples, and water samples) were determined
using hydride generation coupled with hydride gen-
eration atomic fluorescence spectrometry (HG-AFS)
(AF-610D, Beijing Rayleigh Analytical Instrument
Corporation, China) (Sun et al. 2014).
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2.4 Data Analysis

DGT-labile As concentrations were calculated as a time-
averaged concentration at the diffusion layer-sediment
interface (CDGT) according to Eq. (1):

CDGT ¼ MΔg
DAt

ð1Þ

whereΔg (cm) represents the thickness of the diffusion
layer, D (cm2 s−1) represents the diffusion coefficient of
the analyte in the diffusion layer, t (s) represents the
deployment time, A (cm2) represents the exposure area
of the gel, and M (μg) represents the corresponding
accumulated mass over the deployment time.

The R ratio was calculated to be the mean DGT-labile
As concentration, relative to the mean soluble As con-
centration (Eq. (2)). The distribution coefficient for As
was established between solid and soluble phases (Kd),
calculated as the ratio of labile (easily exchangeable)
solid phase concentration (Cs), to soluble As concentra-
tion (CSOL) (Eq. (3)). The value of Tc, representing the
characteristic time for the perturbed system to reach a
63% equilibrium position, was derived based on the
DGT-induced fluxes in sediments (DIFS) model for
known R and Kd (Harper et al. 1998, 2000). The desorp-
tion rate constant (k−1) was determined as outlined in
Eq. (4), and the adsorption rate constant (k1) was calcu-
lated as shown in Eq. (5).

R ¼ CDGT

CSOL
ð2Þ

Kd ¼ Cs

CSOL
ð3Þ

k−1 ¼ 1

T c 1þ KdPcð Þ ð4Þ

k1 ¼ k−1KdPc ð5Þ

3 Results

3.1 Water Column Soluble as Concentrations

Figure 1 outlines the variation in soluble As concentra-
tions in water columns with different pH treatments. The
concentration of soluble As increased according to a rise
in water column pH values from 5.4 to 11.2, with the
increase in detectable soluble As concentration most
pronounced with a pH increase from 8.1 to 11.2. The
maximum As concentration at pH 11.2 was
0.254 μg L−1, 2.5-fold higher than the minimum As
concentration (0.103 μg L−1) detected at pH 5.44.

3.2 Soluble and DGT-Labile As

Figure 2 shows the vertical distributions of soluble As in
pore water, under varying pH conditions. The concen-
trations of soluble As remained largely constant, al-
though a small decline in concentrations can be ob-
served in the top 20-mm sediment layer, with a notable
increase to peak As concentrations at the middle depths,
followed by a decreasing trend in concentrations accord-
ing to further sediment depth. The depths containing
maximal As concentrations in treatments of pH 8.8,
10.0, and 11.2 occurred at a depth of about − 36 mm
(below the sediment-water interface (SWI)), with max-
imal As concentrations observed at deeper depths (−
60mm) in lower pH treatments. An increasing trend was
observed in soluble As concentrations with increasing
pH conditions, with this effect most notable from the
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Fig. 1 Concentration of soluble As in the water columns main-
tained under varying pH conditions
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SWI to a depth of − 52 mm. The gradient of upward
distribution of soluble As also became more distinct
from the depth of − 20 mm. Alkaline pH treatments
presented more pronounced increases in soluble As
concentrations, consistent with the changes observed
in soluble As concentrations in the water column with
increased pH, where the mean concentration of soluble
As detected in the top 20-mm layer and deeper 20–52-
mm layers increased from 4.34 to 5.38 μg L−1 and from
6.70 to 10.94 μg L−1, respectively (Table 1).

Figure 3 outlines the vertical distribution of DGT-
labile As concentrations in sediments under varying pH
conditions. The concentration of DGT-labile As
remained relatively constant with a slight increase ob-
served in the top 20-mm sediment layer, followed by a
significant increase tomaximal concentrations at a depth
of between − 30 to − 34 mm. Concentrations then

remained relatively constant to the bottom of sediment
columns for treatments under pH 5.44–8.14 conditions,
or with higher pH treatments remained constant to a
depth of − 40 to − 46 mm and then gradually decreased
in concentration to the bottom of sediments columns.
An increasing trend in concentration of labile As was
apparent with increasing pH, with this effect being most
notable between the SWI and depths of − 52 mm. The
gradient of upward distribution of labile As concentra-
tions became steeper from the depth of − 20 mm to its
maximal point. The mean concentration of DGT-labile P
detected in the top 20-mm layer and deeper 20–52-mm
layers increased from 0.28 to 0.57 μg L−1 and 2.46 to
5.12 μg L−1, respectively (Table 1). The most pro-
nounced increase was visible under alkaline pH treat-
ment conditions, which is consistent with the change in
soluble As concentrations observed in water columns.
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Fig. 2 Vertical distributions of
soluble As in pore water under
varying pH conditions

Table 1 Mean concentration of soluble As and DGT-labile As under varying pH conditions

Sediment depth Mean concentration (μg L−1) Water column pH value

5.4 6.5 7.1 8.1 8.8 10.0 11.2

0 to − 20 mm Soluble As 4.34 4.45 4.84 4.94 4.99 5.36 5.38

DGT-labile As 0.28 0.30 0.33 0.51 0.52 0.53 0.57

− 20 to − 52 mm Soluble As 6.70 7.18 7.70 8.05 8.95 9.84 10.94

DGT-labile As 2.46 3.02 3.30 3.57 3.98 4.54 5.12
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3.3 Resupply and Kinetics of As Release

The vertical distributions of R ratio (CDGT/CSOL) are
presented in Fig. 4. R values remained at a relatively
constant low level (around 0.1) between the SWI and a
depth of − 16 mm, followed by a notable increase in R
values in the middle depths of between − 24 and −
36 mm. R values then showed a decreasing trend with
continued progression to the base of the sediment

vertical profile. Increased water column pH caused a
significant increase in R value, with this effect being
most distinct from the SWI to a depth of − 32 mm. The
maximum R value observed increased from 0.46 under
pH 5.4 conditions to 0.76 under pH 11.2 conditions.

The kinetic parameters utilized to interpret the release
of As from solid labile sediment As pools under varying
pH treatment conditions are listed in Table 2. According
to increased water column pH, R values increased from
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0.35 to 0.49, Kd decreased from 1.22 to 0.82 (×
102 cm3 g−1), Tc decreased from 18.49 to 12.52 s, k1
increased from 5.41 to 7.99 (× 10−2 s−1), and k−1 in-
creased from 2.54 to 5.59 (× 10−4 s−1).

4 Discussion

4.1 Distribution of As in Sediments and its Relationship
with Water Column As

The distribution of soluble As in pore water, as well as
DGT-labile As, has previously been characterized in
both freshwater and marine sediments to a high vertical
resolution (2–4 mm) (Bennett et al. 2012b; Sun et al.
2016, 2017; Yao et al. 2016). Distribution pattern gen-
erally shows an initial phase of increasing As concen-
trations in shallower depth layers, generally followed by
a phase of decreasing concentrations at progressively
deeper layers. This pattern of distribution was also ob-
served in the present study (Figs. 2 and 3), where
initially stable and low-level concentration distributions
were apparent for pore water As and DGT-labile As in
the upper 20-mm layer. This effect can be attributed to
the presence of adsorbed, co-precipitated, and mineral
As(V) species, via association with various sediment
oxides and clay minerals under oxic conditions
(Hafeznezami et al. 2016; Jia et al. 2007). The phase
of increasing As concentration observed in upper sedi-
ment layers can be attributed to reductive dissolution of
As-bearing Fe(III) (hydr)oxides during the transition of
sediment redox potential status from oxic to anoxic
(Bose and Sharma 2002; Pedersen et al. 2006; Aguilar
et al. 2007). This effect was confirmed by the observa-
tion of a simultaneous increase in both dissolved Fe(II)
concentrations in pore water and DGT-labile As

concentrations (Bennett et al. 2012a). The phase of
decreasing As concentrations observed in deeper anoxic
layers may be attributed to the immobilization of inor-
ganic As(III) by Fe(II)-, or Fe(II)/Fe(III)-bearing min-
erals (e.g., magnetite, siderite, and green rust), which
form concomitantly during microbial reduction of
Fe(III) (Handley et al. 2013; Root et al. 2007; Sun
et al. 2016).

The release of As from sediments is regarded as a
significant risk to water quality in surface aquifers
and groundwater systems. Unfortunately, it remains
difficult to directly investigate this process under
field conditions, as the concentration of soluble As
in the vicinity of the SWI cannot be accurately de-
tected using traditional ex situ methods, which typi-
cally include a collection of sediment samples
followed by chemical analysis. In the present study,
the concentrations of both soluble As in pore water
and DGT-labile As in sediments were measured using
passive techniques with high vertical resolutions,
which allows identification of the drivers of change
in water column As concentrations, in relation to
sediment concentrations. A significant variation in
the concentration of soluble As was observed in the
water column (Fig. 1). As the microcosm tanks used
in experiments were closed systems except that the
water column contacted with air, the variation in As
concentrations in the water column can be assumed
to be due to differences in responses of sediments
under varying pH environments. In order to verify
this interaction, the relationships between As concen-
trations in the water column and in sediment were
investigated. Analysis showed significant positive
correlations between the concentration of soluble
As in the water column and the concentration of both
soluble As pore water and DGT-labile As, with

Table 2 Calculated kinetic parameters of As using DIFS model in sediments under varying pH conditions

Water column pH conditions R Kd (× 10
2 cm3 g−1) Tc (s) k1 (× 10

−2 s−1) k−1 (× 10
−4 s−1)

5.4 0.35 1.22 18.49 5.41 2.54

6.5 0.41 1.16 17.49 5.72 2.84

7.1 0.42 1.05 17.14 5.83 3.20

8.1 0.45 1.04 16.74 5.97 3.32

8.8 0.45 0.98 14.47 6.91 4.08

10.0 0.48 0.98 12.62 7.92 4.64

11.2 0.49 0.82 12.52 7.99 5.59
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correlations observed in both the upper 20-mm layer
and deeper 20–52-mm layers (Fig. 5). These findings
confirm a direct As exchange pathway exists between
the water column and sediment, with the mobility of
As in sediments defining the As concentration of the
water column.

It has been established that soluble As in pore
water is the most mobile form of sedimentary As,
releasing As into the water column through upward
diffusion if concentrations in the upper sediment layer
are greater than the concentration of soluble As in the
water column (O’Day et al. 2004). The depletion of
soluble As from pore water induces the release of
weakly solid-bound As, resupplying the concentra-
tion of soluble As in pore water. As supported by
DGT measurement data establishing concentrations
of both soluble As in pore water and weakly bound
solid As, DGT-labile As can be regarded as a highly

mobile form of As (Bennett et al. 2012a; Sun et al.
2016; Wang et al. 2016). Therefore, the variation in
concentrations of soluble As and DGT-labile As re-
flects the mobility of As in sediment and the signifi-
cant potential for release into the water column.

4.2 Effects of pH on the Release of As in Sediment

A notable increase in As concentration in both water
column and sediments was observed, in accordance
with increased pH of the water column from weakly
acid to strongly alkali (Fig. 1 and Table 1). A similar
phenomenon has previously been reported in analysis of
As sorption onto sediments, metal oxide, and natural
minerals (Ma et al. 2015; Mamindy-Pajany et al. 2011;
Guerra et al. 2016). In the present study, analysis
showed that in both the top 20-mm layer and deeper
20–52-mm layers, increased pH had a significant
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positive correlation with concentrations of soluble As in
pore water and DGT-labile As in sediments (Fig. 6),
with significance established to be lower than p < 0.01.
These findings suggest that increase in water pH condi-
tions results in an increase in available concentrations of
both pore water As and DGT-labile sediment As. These
findings are supported by the increase in upward distri-
bution gradients for both soluble As and DGT-labile As,
in relation to increased pH of water (Figs. 2 and 3).

As aforementioned, the mobility of As has been
affected by surface charge of As-bearingminerals which
are controlled by pH through the electrostatic attraction
or repulsion of As(III)/As(V) (Guo et al. 2014;
Mamindy-Pajany et al. 2011; Zhang et al. 2004). Iron
(hydr)oxides are regarded a major binding phase for As
in sediments, due to their great abundance, large surface
area, and strong binding affinity (Wang et al. 2010). Ma

et al. (2015) found that readily reducible Fe minerals
(such as ferrihydrite, lepidocrocite, goethite, hematite,
and akageneite) are a major cause for variations ob-
served in levels of As adsorption in sediments. Addi-
tionally, Mamindy-Pajany et al. (2011) found that the
amount of As(V) adsorbed onto goethite and magnetite
remained constant in the pH range of 2–8, decreasing by
20% when the pH was higher than 8. Therefore, As(V)
can be readily desorbed from Fe (hydr)oxides under
alkaline condition via electrostatic repulsion, as As(V)
exists as a negatively charged oxyanionic species (e.g.,
AsO4

− or HAsO4
2−). This desorption process should

mainly occur in the upper oxic sediment layer where
As(V) is a dominant species (Guo et al. 2014), which
may explain the increased soluble As concentrations in
pore water and DGT-labile As concentrations in the top
20-mm layer of sediments, with increased water pH.
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Fig. 6 Impact of pH on the relationship between available As concentrations in water column and both top 20-mm sediment layers and
deeper 20–52-mm sediment layers, respectively

Water Air Soil Pollut (2017) 228: 413 Page 9 of 12 413



Pronounced increases were observed in soluble As
concentrations in pore water and DGT-labile As con-
centrations in the upper 20-mm layer sediments. This
suggests that the increase in water pH significantly
promotes the release of As(III) in deeper anoxic sedi-
ment layers. Variation in pH showed a similar but weak
effect on the adsorption of As(III) onto sediments and Fe
(hydr)oxides in comparison with As(V), reflected by
decreased adsorption affinity and capacity, in accor-
dance with increased pH conditions (Maji et al. 2007;
Qiao et al. 2012). It is of note that previous studies have
revealed that variations in pH influence redox state, with
an increase in pH conditions reducing the redox state by
electron consumption (Hinsinger et al. 2003), would
promote the reduction of As(V) to As(III), in accordance
with the pH-induced reduction of redox state. It has been
established that As(III) is desorbed more rapidly and
extensively from metal oxides and minerals than As(V)
species (Tufano et al. 2008).

4.3 Effects of pH on Kinetics and Release of As
in Sediments

The increase in water column pH values resulted in a
consistent increase in R and decrease in Kd (Table 2),
with DIFS modeling of As release kinetics (based on R
and Kd) showing a consistent decrease in Tc and in-
creased k1 and k−1 (Harper et al. 2000). Further analysis
established a significant positive correlation between pH
and R, k1, and k−1, while a negative correlation was
established between pH and both Kd and Tc (Table 3).
These findings demonstrate that change in pH condi-
tions significantly affects the kinetics of As release in
sediments.

The R ratio reflects the ability of available solid As
pools, to resupply soluble As concentrations in pore
water, where R values vary between 0 and 1, with a
greater value suggesting a stronger ability to resupply
available As. Therefore, an increase in R value in accor-
dance with increased pH conditions implies a pH-
dependent increase in the availability of solid As pools,

resupplying soluble As concentrations in pore water.
This is further supported by the decrease in Kd, which
reflects a reduction in the ability of solid sediments to
retain As under equilibrium conditions (Zhou et al.
2005), which may be attributed to the increased negative
charge on the solid surface and therefore repulsion of
negatively charged As(V). Tc defines the time required
for partitioning components of Kd to reach 63% of their
equilibrium value (Harper et al. 2000), with decrease in
Tc value reflecting an increase in the resupply rate of
available As from solid sediments, in accordance with
increased water column pH conditions. Variations in Tc
depend on changes in the adsorption rate constant (k1)
and desorption rate constant (k−1) (Ernstberger et al.
2005), with increased k1 and k−1 inducing a decrease
in Tc. However, the maximum k−1 observed at pH 11.2
was 2.1-fold higher than the minimum value observed at
pH 5.44, which is greater than 1.5 times for k1. There-
fore, the As desorption rate from available solid sedi-
ment pools increased relatively to adsorption rate, which
facilitated the release of As into pore water with in-
creased pH of the water column as observed.

5 Conclusions

The variation in pH conditions in the water column had
a significant impact on the distribution of mobile As
forms and their kinetic responses. Soluble As in the
water column showed a 1.5-fold increase from pH
5.44 to pH 11.2, which was found to be directly related
to As mobility in sediments. The increase in water
column pH conditions induced an increase in concen-
tration of pore water-soluble As and DGT-labile As in
sediment profiles, with the mean values of soluble As
showing a 0.2- and 0.6-fold increase in the upper 20-mm
layer and deeper 20–52-mm layers, respectively, while
the mean values of DGT-labile As showed a 1.0- and
1.1-fold increase in the two layers, respectively. More-
over, upward diffusion gradients for both mobile As
species became gradually steeper, implying that the As

Table 3 Relationship between kinetic parameters of As and pH value in water column

Kinetic parameters R Kd (cm
3 g−1) Tc (s) k1 (s

−1) k−1 (s
−1)

pH 0.897*** − 0.906*** − 0.918*** 0.895*** 0.948***

***A significant level at p < 0.001
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release potential continually increased. Further DIFS
modeling showed that the available solid As pools ex-
hibit increased R values (0.49 to 0.35) and a decrease in
Kd (1.22 to 0.82), while the increase in As resupply
ability was attributed to the increase in k−1 value [2.54
to 5.59 (× 10−4 s−1)].
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