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Abstract Mercury (Hg) dynamics was evaluated in
contaminated sediments and overlying waters from Ta-
gus estuary, in two sites with different Hg anthropogenic
sources: Cala Norte (CNOR) and Barreiro (BRR). En-
vironmental factors affecting methylmercury (MMHg)
production and Hg and MMHg fluxes across sediment/
water interface were reported. [THg] and [MMHg] in
solids (0.31–125 μg g−1 and 0.76–201 ng g−1, respec-
tively) showed high variability with higher values in
BRR. Porewater [MMHg] (0.1–63 ng L−1, 0.5–86% of
THg) varied local and seasonally; higher contents were
observed in the summer campaign, thus increasing sed-
iment toxicity affecting the sediment/water Hg (and
MMHg) fluxes. In CNOR and BRR sediments, Hg

availability and organic carbon were the main factors
controlling MMHg production. Noteworthy, an upward
MMHg diffusive flux was observed in winter that was
inverted in summer. Although MMHg production in-
creases in warmer month, the MMHg concentrations in
overlying water increase in a higher proportion com-
pared to the levels in porewaters. This opposite trend
could be explained by different extension of MMHg
demethylation in the water column. The high concen-
trations of Hg and MMHg and their dynamics in sedi-
ments are of major concern since they can cause an
exportation of Hg from the contaminated areas up to
ca. 14,600 mg year−1 and an MMHg deposition of up to
ca. 6000 mg year−1. The results suggest that sediments
from contaminated areas of Tagus estuary should be
considered as a primary source of Hg for the water
column and a sink of MMHg to the sedimentary
column.

Keywords Mercury .Methylmercury . Contaminated
coastal ecosystems . Sediment cores . Tagus estuary

1 Introduction

Environmental contamination by mercury (Hg) is a
worldwide problem. As such, it is important to assess
the possible effects of increasing levels of mercury
pollution on human health and the environment. In
general, contaminated sites are places where high accu-
mulation of toxic substances affects the soil, groundwa-
ter, sediments, and even air posing serious risks to the
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environment and ultimately to human health. The
Minamata Convention on Mercury recognized Hg as a
chemical of global concern due to its long-range atmo-
spheric transport, its persistence in the environment
once anthropogenically introduced, and especially to
its ability to bioaccumulate in ecosystems, causing sig-
nificant negative effects on human health and on the
environment. After the Minamata Bay disaster (1950–
1970), Hg has subsequently become one of the most
critical trace metals examined in environmental studies
(Tomiyasu et al. 2006). Mercury is released and mobi-
lized through natural processes and by anthropogenic
activities (Fang and Chen 2010). It exists in different
chemical species with a wide range of properties and its
ecotoxicological effects are strongly dependent on its
chemical form (Logar et al. 2002; Ullrich et al. 2001).
Inorganic mercury (Hg2+) is the main form of Hg in
natural waters and sediments and can be naturally con-
verted to its most toxic organic form methylmercury
(MMHg), by biotic or abiotic processes (Celo et al.
2006). Methylmercury is then accumulated by aquatic
organisms and is known to be biomagnified along the
food chain, posing a threat to humans by fish consump-
tion, driving exposure of this potent toxin with neuro-
logical, immunological, and cardiovascular effects
(Karagas et al. 2012; Mahaffey et al. 2011; Mergler
et al. 2007; Nyland et al. 2011). It is widely accepted
that microorganisms can affect the mobility of Hg in a
variety of metabolic pathways (Barkay and Wagner-
Döbler 2005). Methylmercury has been thought to be
produced predominantly by sulfate-reducing bacteria in
anoxic sediments (Benoit et al. 2001; Ullrich et al.
2001); however, iron-reducing bacteria (Fleming et al.
2006; Kerin et al. 2006) and methanogens (Gilmour
et al. 2013; Hamelin et al. 2011; Podar et al. 2015) are
also capable of Hg methylation. In fact, recent studies
demonstrated a diversity of Hg-methylating organisms
other than sulfate-reducing bacteria (SRB) and iron-
reducing bacteria (FeRB) and methanogens, including
syntrophic acetogenic and fermentative Firmicutes
(Gilmour et al. 2013; Podar et al. 2015). In sediments,
microbial community is influenced by the extent of
anoxic conditions, the quality and quantity of organic
matter (Ullrich et al. 2001), and also by the concentra-
tion of electron acceptors such as sulfate and ferric ions
(Hsu-Kim et al. 2013; Kerin et al. 2006). It was also
been shown that microbial activity increased with tem-
perature (e.g., King et al. 1999), which may be partially
responsible for the seasonal variations in MMHg

concentrations observed in many systems (e.g.,
Hammerschmidt and Fitzgerald 2004). However, the
extent to which Hg is methylated is also highly depen-
dent on the bioavailability of the inorganic Hg to the
methylating organisms. Graham et al. (2012) reported
that, in sediments under sulfidic conditions, dissolved
organic matter (DOM) could play an important role
affecting the uptake of inorganic Hg into methylating
organisms. In fact, only a small amount (typically 5%)
of the total amount of inorganic Hg in aquatic systems is
in a Breactive^ form that is considered available for
microbial uptake and methylation (Domagalski 2001;
Marvin-Dipasquale et al. 2009; Singer et al. 2016). The
bioavailability of inorganic Hg in sediments is associat-
ed with the partitioning of Hg between solid and dis-
solved fractions, being related with the sediment-
porewater distribution coefficient (KD) (Marvin-
Dipasquale et al. 2009; Schartup et al. 2014).
Sediment-porewater Hg partitioning is controlled by
the amounts of Hg binding ligands, such as sulfide and
thiols, in the solid and dissolved phases. These ligands
are influenced by several factors such as sediment
o rgan ic mat te r, r edox cond i t ions , and pH
(Hammerschmidt and Fitzgerald 2004; Schartup et al.
2014). Overall, partitioning of Hg between solid and
dissolved fractions can be an important factor control-
ling MMHg production and transport.

Extensive waste inputs from industrial and/or agri-
cultural and/or urban sources have contributed to a
significant increase of pollution in rivers and coastal
areas. This is also the case of the Tagus estuary, where
industrial activities are considered to be the main
sources of mercury pollution (Canário et al. 2005;
Figuères et al. 1985). As such, the study of the Hg
dynamics in the sedimentary column of contaminated
sites seems to be of great importance concerning the
anthropogenic effects and changes in this aquatic eco-
system. Moreover, this estuarine ecosystem is of great
importance due to artisanal fish and bivalve Bfishing^
that are further used for human consumption.

Sediment cores are often used as proxies to study
temporal trends of Hg inputs into estuarine environ-
ments, including all natural and anthropogenic sources.
In order to understand the biogeochemistry of Hg in
contaminated sediments, this paper examines the local
Hg patterns along contaminated zones of the Tagus
estuary, investigating the factors that influence (1) the
dynamics of total Hg and MMHg concentrations in the
sediment column in two opposite seasons, (2) evaluating
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the processes responsible for the MMHg production, (3)
quantifying the potential of Hg and MMHg diffusion
within the sediment column by measuring Hg and
MMHg in porewaters and finally, and (4) estimating
the mobility and assessment of Hg species with respect
to exchange between the sediment and water column.
This study complements an ongoing investigation of Hg
in non-contaminated zones of this estuary (Cesário et al.
2016), to understand the influence of different sources
of Hg and MMHg in this estuarine ecosystem.

2 Material and Methods

2.1 Study Area and Sampling Dates

Tagus estuary is considered a contaminated aquatic
system mainly due to the presence of two distinguished
point sources of contaminant species: a chlor-alkali
plant in Cala Norte (CNOR) and a smelting mineral
plant in Barreiro (BRR) (Canário et al. 2003, 2005,
2007a, 2008a). The CNOR is a narrow navigation chan-
nel (max. 400 m width, 2 m depth) located in the north
shore of the estuary. This area is surrounded by salt-
marsh areas colonized by halophyte vegetation and re-
ceives the discharge of the chlor-alkali industry still in
operation. Sediments of this channel incorporate anthro-
pogenic materials associated with suspended particulate
matter that settles (ca. 0.8 cm year−1) (Ferreira 1995) due
to the low hydrodynamics of the channel. Consequently,
the water residence time inside the channel is relatively
high (8.6 days) (Hidroprojecto 1991), particularly in
summer. Although the change in the electrolytic process
has largely eliminated the use of Hg in the chlor-alkali
plant of CNOR, historic emissions deposited in the
Tagus estuary and those emanating from other sources
still contributed to high contamination levels of Hg in
the northward sediments of this channel, having thus an
impact on water, sediment, and biota of the region
(Canário et al. 2003, 2005, 2007a, 2008a). BRR site is
a mudflat area without any vegetation around, located in
the south shore of the estuary, near the channel used in
the past as a navigation channel to fluvial transport of
goods for and to the industrial complex (CUF channel).
The industrial plants in BRR are no longer in operation
(stopped in the end of 70s); however, high concentra-
tions of mercury have been observed in sediment depo-
sition areas, such as the CUF channel (Canário et al.
2005, 2007a), due to an intensive industrial activities

between 1950 and 1960s. Besides, domestic discharges
may still contribute to the high levels of Hg previously
observed in this area (Canário et al. 2007a).

Sediment and water samples were collected in
CNOR (38° 51′ 21.21″ N, 9° 3′ 40.51″ W) and in
BRR (38° 40′ 45.40″ N, 9° 3′ 1.70″ W) (Fig. 1) in two
sampling campaigns performed in summer and winter
seasons, respectively, in July 2010 and January 2011.
GPS coordinates were used to ensure that the sediment
cores collected at both season periods were approxi-
mately in the same area (±3 m), therefore minimizing
spatial variations within each site.

2.2 Sampling and Sample Processing

Sediment cores were collected for porewater extraction
and analysis of both the solid and the dissolved phase.
Sediment samples were collected using a 7-cm-diameter
PVC core. Sediment cores were kept at 4 °C until arrival
to the laboratory and, after overlying water was collected
with a syringe, were extruded and sectioned into slices in
a N2-filled glove box to preserve the original redox
conditions. A total of 37 samples were collected in
CNOR (summer core, 40-cm long, 19 sections; winter
core, 35-cm long, 18 sections) and of 33 samples in BRR
(summer core, 30-cm long, 17 sections; winter core, 25-
cm long, 16 sections). Cores were sliced into 1-cm sec-
tions for the top 10 cm and at 2-cm sections between 10
and 20 cm. Deeper sediments beyond 25 cm were sliced
in 5-cm sections until the end of the core. Porewaters
were extracted from the bulk sediments by centrifugation
at 8000 rpm at 10,160 rcf×g, for 45 min at +4 °C and
immediately filtered inside a glovebox using 0.45-μm
cellulose acetate syringe filters (Whatman). Filtrate sub-
samples were stored in glass flasks, Teflon flasks, and
polypropylene tubes and acidified to pH <2, respectively,
for reactive dissolved mercury (RHgD) analysis (HNO3,
Merck, Hg free), total dissolved mercury (THgD) and
methylmercury (MMHgD) analysis (HCl, Merck, Hg
free), and total dissolved metal, sulfate and sulfide, deter-
minations (bi-distilled HNO3). The remaining solid phase
samples were stored at −20 °C for solid phase analysis.
For each layer, pH and redox potential (EH (mV)) were
also measured in situ. The pH was measured using a
portableMetrohm 704 pHmeter with temperature control
and glass combined electrode, calibrated with two buffer
solutions (4.00 ± 0.02 and 7.00 ± 0.02 at 25 °C, Crison
Instruments SA). Redox potential (EH) was also mea-
sured with a combined electrode Ag/AgCl-platinum,
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calibrated with a buffer for 220 ± 0.05 mV vs. Ag/AgCl
at 25 °C (Mettler Toledo). Values were corrected to the
hydrogen reference electrode. Values of pH and EH were
presented in Tables SI1 and SI2 (Supporting
Information).

2.3 Chemical Analysis

2.3.1 Solid Phase

Sediment porosity (Φ) was calculated by measuring the
weight loss of sediments dried overnight at 110 °C
(Loring and Rantala 1992) to constant weight using
the fallowing equation (Covelli et al. 1999):
Φ ¼ E

Mw=ρwð Þ
Mw=ρwð Þþ Mw=ρwð Þ^, where Mw is the weight of water lost

on drying, Ms is the weight of dry sediment, and
ρw = 1.025 g cm−3 is the water density, whereas
ρs = 2.65 g cm−3 is the sediment density. Water content

and porosity values were presented in Tables SI1 and
SI2. Sediments were oven dried at 40 °C, disaggregated,
and homogenized with a mortar. Total determinations of
Si, Al, Fe, and Mn were performed by mineralization of
sediment samples with a mixture of acids (HF, HNO3,
HCl) (Rantala and Loring 1975), and concentrations
were obtained by flame-atomic absorption spectrometry
(F-AAS) in a PerkinElmer AAnalyst 100, using direct
aspiration into N2O–acetylene flame (Si and Al) or air–
acetylene flame (Fe and Mn). Total carbon (TC) and
total nitrogen (TN) were determined using a CHN
Fisons NA 1500Analyzer, calibrated with sulfanilamide
standards. Organic carbon (OC) was estimated by the
difference between total carbon and inorganic carbon.
Total carbon was determined directly from dry sedi-
ments and the inorganic was measured after heating
samples at 450 °C for 2 h, in order to remove the organic
fraction (Verardo et al. 1990).

BRR

Lisbon
Tagus
Estuary

Atlantic
Ocean

Iberian
Peninsula

Natural
Reserve

CNOR

Tagus
River

Sorraia
River

Fig. 1 Sampling sites in Tagus Estuary: Cala Norte (CNOR) and Barreiro (BRR). Sampling was performed in two different periods: in
summer (July 2010) and in winter (January 2011)
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Total mercury (THgs) concentrations were deter-
mined in dried sediments by atomic absorption spec-
trometry (AAS) using a silicon UV diode detector
LECOAMA-254 (Costley et al. 2000). Results obtained
were in good agreement with the certified values from
the Certified ReferenceMaterials (CRMs) used (MESS-
3, PACS-1, and PACS-2, marine sediments from Na-
tional Research Council Canada (NRCC)) (Table SI3)
and the precision, as relative standard deviation (%RSD,
n = 5), was better than 5%. The limit of detection (LOD)
was based on three standard deviations (3σ) of the blank
and was 0.02 μg g−1. Methylmercury concentration in
sediments (MMHgs) was determined by alkaline diges-
tion (KOH/MeOH), organic extraction with dichloro-
methane (DCM) preconcentration in aqueous sulfide
solution, back-extraction into DCM, and quantification
by atomic fluorescence spectrometry coupled with gas-
eous chromatography (GC-AFS) using anAgilent Chro-
matograph and a Millennium Merlin PSA detector
(Canário et al. 2004). To control the level of accuracy,
two CRMs (BCR 580 and IAEA 405, both estuarine
sediments from Institute for Reference Material and
Measurements (IRMM) and International Atomic Ener-
gy Agency (IAEA), respectively) were also analyzed in
each batch of samples (Table SI3). The precision in
CRMs (% RSD, n = 3) was better than 5.0% and the
LOD (3σ of the blanks) was 0.1 ng g−1.

2.3.2 Dissolved Phase

In overlying waters and porewaters, sulfate (SO4
2−)

concentrations were determined by turbidimetrymethod
using a Hitachi U-2000 spectrophotometer with a light
path of 5-cm length (APHA 1995). The dissolved sul-
fide concentrations (HS−) were determined by differen-
tial pulse polarography (DPP) using a Metrohm appara-
tus equipped with a 693 VA Processor and a 694 VA
Stand (O’Driscoll et al. 2011). Dissolved total Fe and
Mn were determined by F-AAS, using air–acetylene
flame, in a PerkinElmer AAnalyst 100. Dissolved or-
ganic carbon (DOC) analysis was performed by high
temperature catalytic oxidation (HTCO) using a com-
mercial Shimadzu TOC-5000A analyzer (Benner and
Strom 1993).

THgD was analyzed by cold vapor-atomic fluores-
cence spectroscopy (CV-AFS) applying the EPA meth-
od 1631B (USEPA 2002), using a PSA Merlin mercury
system. The CRM for THgD was BCR 579 (coastal
seawater from Institute for Reference Materials and

Measurements (IRMM)), and the obtained concentra-
tions (2.17 ± 0.3 ng L−1 Hg) were in agreement with the
certified ones (1.9 ± 0.5 ng L−1 Hg). RHgD was also
determined by CV-AFS on a PSA Merlin mercury sys-
tem (Beckvar et al. 1996). Recoveries of Hg ranged
from 90 to 109% and the LOD, as 3σ of the blanks,
was 0.7 ng L−1. MMHgD was determined following the
EPA method 1630 (USEPA 2001), by CV-AFS in a
Brooks Rand Model III system. Concentrations were
determined applying the standard additionmethod using
a fresh MMHg-Cl solution (prepared daily from
CH3HgCl, Aldrich) in ethanol (Canário et al. 2006,
2008b). Recoveries of MMHg ranged from 92 to
103% (MMHg-Cl spikes). Replicate samples were also
used to assess variability of the data. Blanks were re-
peated every 20 samples in order to evaluate cross-
contaminations and to ensure that equipment is operat-
ing in the same conditions. The LOD (3σ of the blanks)
was 0.02 ng L−1, and precision (% RSD, n = 8) was
better than 6.0%. Detailed information can be found in
Supporting Information.

2.4 Estimation of Sediment-Water Fluxes of Hg Species

The diffusive fluxes across the sediment-water interface
(SWI) were estimated according to Cesário et al. (2016)
using Fick’s first law of diffusion:

J = −(ϕDw/θ2)(∂C/∂z), where J is the diffusion flux
(ng m−2 day−1) of solute with concentration C (ng dm−3)
at depth z (cm); ϕ and θ, respectively, are the porosity
and tortuosity; Dw is the ionic/molecular diffusion co-
efficient in water; and (∂C/∂z) is the concentration gra-
dient (Cow − Cpw). For all cores, we used z = 1 cm (i.e.,
the average depth of the uppermost porewater sample).
Tortuosity was estimated from porosity using
Boudreau’s formulation: θ2 = 1 − ln(ϕ2) (Boudreau
1996).

According to Cesário et al. (2016 and references
therein), we used Dw, 25 °C = 1.2 × 10−5 cm2 s−1 for
MMHgD and 2 × 10−6 cm2 s−1 for HgD (assuming that
inorganic Hg is bound to macromolecules in the colloi-
dal size range), corrected for temperature (T, °C) and
expressed as follows: Dw, 25 °C = Dt (1 +
0.048 × (25 − t)) (Gill et al. 1999). Detailed information
can be found in Supporting Information.

The water temperatures used for the fluxes calcula-
tions were the ones measured in the field during the
campaigns, being those of 24 °C in summer period
(July 2010) and 12 °C in winter period (January 2011).
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2.5 Statistical Analysis

Statistical tests were performed using the computer soft-
ware Statistica 7.0. The normality of all data was
assessed by a Shapiro-Wilks test. Since some variables
did not present a normal distribution, concentrations of
several parameters in solid and dissolved fractions were
compared using the non-parametric Wilcoxon paired-
sample (T) test. Kruskal–Wallis ANOVA by ranks (K–
W) were used to compare partition coefficients for THg
and MMHg between sediment cores from CNOR and
BRR sites in both sampling periods. Correlations were
determined with the Spearman correlation coefficient (r)
and were considered significant at p < 0.05.

3 Results and Discussion

3.1 Sediment Characteristics

Concentrations of Si normalized to Al content (Si/Al)
were used as a proxy of the terrigenous fraction (sand or
coarser silt) in sediments (Loring 1991). An increase of
Si/Al ratio is generally associated with an increase of
coarser grained quartz, feldspar, and other components
containing little or even no trace metals (Singh et al.
1999). Sediments from CNOR appear to be mostly
constituted by a mixture of sand and mud particles with
Si/Al ratios ranging from 2 to 4 (Fig. 2a). On the other
hand, sediments from BRR varied in a wider range (Si/
Al = 2–32) showing an irregular distribution with depth
(Fig. 2b) with topmost sediments and bottom layers
constituted by coarser particles with higher Si/Al ratios.
These results were in line with those reported by Franz
et al. (2014), who observed that the estuary channels are
composed mostly of sand and the intertidal zones are
composed mainly of cohesive sediments, which consist
of inorganic (clays, silts, and very fine sands) and or-
ganic particles (e.g., detritus) (Hayter and Mehta 1986).
Also Caçador and Duarte (2012) reported that silt and
clay were the main constituents of the estuary salt
marshes, with sand accounting for less than 5%.

Sediments from CNOR are also characterized by
relatively similar OC content (Fig. 2c) (1.3–2.3%). In
BRR, OC vertical distributions were irregular (Fig. 2d)
and between the two sampling periods suggesting a
large heterogeneity. Total N (Ntot) values in CNOR
and BRR cores presented similar distribution to OC,
slightly decreasing in depth in both campaigns

(Fig. 2e, f). In BRR cores, OC and Ntot showed similar
patterns, with slightly lower values. In both locations
and periods, the Ntot concentrations paralleled the OC
content behavior as evidenced by the strong positive
correlation (r = 0.85, p < 0.05) between them
(Fig. SI1—Supporting Information). However, CNOR
sediments in general presented higher contents of or-
ganic matter (OC = 1.9 ± 0.2%, Ntot = 0.11 ± 0.03% in
summer; OC = 1.8 ± 0.2%; Ntot = 0.10 ± 0.01% in
winter) compared to BRR sediments (OC = 1.3 ± 1.2%,
Ntot = 0.07 ± 0.05% in summer; OC = 0.9 ± 0.4%;
Ntot = 0.05 ± 0.03% in winter). In fact, OC (%) and

BRRCNOR

Fig. 2 Si/Al ratios (a, b), organic carbon content (OC, %) (c, d),
and total nitrogen (Ntot, %) (e, f) concentrations in sediments from
Cala Norte (CNOR) and Barreiro (BRR) collected in summer (s)
and winter periods (w)
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Ntot (%) contents were statistically different (p < 0.05)
between sites. This may be due to higher levels of
riverine inputs from Tagus and Sorraia rivers and by
the presence of the industrial activity in the margins of
CNOR. The broad peak of OC observed in the interme-
diate sediment layers of BRR in summer season sug-
gested the existence of additional diffuse OC sources in
this period, since this peak was not observed in BRR
winter sediments. The observed differences in OC con-
tent in depth are probably due to a capping with sand
layers, which were applied in the past 10 years to
prevent the resuspension of the extremely contaminated
sediments (personal communication). The C/N (OC/
Ntot) molar ratio is used to differentiate between terres-
trial and aquatic inputs (Goñi et al. 2003; Tolun et al.
2002) and the values obtained in this study, above 12 at
both sites and sampling periods, pointing to a terrestrial
source of organic matter. Similar results were obtained
by Goñi et al. (2003) in estuarine sediments from
Winyah Bay, SC, USA.

3.2 Total Hg and MMHg in Sediments

Sediments from CNOR presented similar vertical distri-
bution of THgs concentrations in both sampling periods.
Lower THgs concentrations were observed at the top-
most layers, increasing with depth (Fig. 3a). In CNOR,
the THgs levels observed in both periods were in the
same order of magnitude (summer = 0.99–18 μg THgs
g−1; winter = 6.9–29 μg THgs g

−1), with similar average
values (summer = 12 ± 5.1 μg THgs g

−1, n = 17; win-
ter = 15 ± 8.1 μg THgs g

−1, n = 16). BRR sediments also
presented the same THgs patterns between periods al-
though in different ranges (THgs = 0.30–126 μg g−1 in
summer and 1.4–41 μg g−1 in winter) (Fig. 3b) and with
higher depth variations due to the broad peaks observed
between 10- and 20 cm depth. These variations in THgs
concentrations with depth may be related to particle
heterogeneity in those cores with more or less Hg
(ad)sorbing capacity (Ravichandran 2004). In fact, the
THgs maximums were found at depths with fine grained
sediments, while coarser material at upper and bottom
layers retained less THgs. Negative correlations obtain-
ed between THgs and Si/Al (summer: above 8 cm depth:
r = 0.78, p < 0.05; below 9 cm depth: r = 0.94, p < 0.05;
winter: above 5 cm depth: r = 0.74, p < 0.05; below 6 cm
depth: r = 0.73, p < 0.05, Fig. SI2) in BRR sediments
supports the above hypothesis. In the first 5-cm of BRR

sediments, higher Si/Al ratios were determined, proba-
bly due to a capping with sand layers, reported before.

The relationship between THgs and OC content may
also play an important role in metal retention because of
the capacity of organic matter, particularly some func-
tional groups of organic carbon, to efficiently bind Hg
(Ravichandran 2004). In our samples, this was only
observed in the CNOR sediments collected in winter
period (r = 0.75, p < 0.05, Fig. SI3a) and in BRR
sediments from summer period (r = 0.86, p < 0.05,
Fig. SI3b). In the other two campaigns (CNOR in sum-
mer and BRR in winter periods), no significant correla-
tions (p > 0.05) were observed suggesting that other
processes such as sorption or coprecipitation with Fe
and Mn oxyhydroxides may also be relevant. Depth
variation of Fes and Mns in sediments (Fig. SI4) in our
sediments suggested that in BRR summer sediments,
Hg possibly coprecipitate with Fes and Mns
oxyhydroxides. This can be corroborated by the strong
positive correlations between both metals and THgs
(r = 0.91, p < 0.05 for THgs vs Fes, Fig. SI5a and
r = 0.92, p < 0.05 for THgs vs Mns, Fig. SI6a). The
same pattern was observed in BRR and CNOR winter
sediments but only between THgs and Fes (r = 0.84,
p < 0.05 for THgs vs Fes, in BRR, Fig. SI5b; r = 83,
p < 0.05 for THgs vs Fes, in CNOR, Fig. SI6b) where a
possible Hg coprecipitation only with oxyhydroxides of
Fes may have occurred.

The observed differences at CNOR and BRR be-
tween periods were considered a consequence of sedi-
ment heterogeneity. The THgs concentrations observed
in this study are extremely high, being 1 to 2 orders (in
CNOR) and almost 3 orders (in BRR) of magnitude
higher than the Mediterranean background values
(0.04–0.17 μg g−1) (Ogrinc et al. 2007), the values in
Guadiana estuary, Portugal (0.16–1.3 μg g−1) (Canário
et al. 2007b) or in Vigo Ria, Spain (0.02–1.8 μg g−1)
(Canário et al. 2007c) but comparable with the ones
(4.06 and 79.0 μg g−1) reported for sediments of other
coastal areas affected by relevant industrial or mining
activities (Acquavita et al. 2012; Bratkič et al. 2013;
Covelli et al. 2011; Emili et al. 2016; Oliveri et al. 2016;
Wang et al. 2009). Comparing these results with the
previous work done by the same authors in the
RAMSAR areas of Tagus estuary (Cesário et al. 2016),
these estuarine areas can be considered as highly Hg
contaminated (Canário et al. 2005, 2007a, b).

MMHgs present a similar vertical distribution in both
campaigns for each site. The higher MMHgs
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concentrations were observed in warmer periods, which
is in line with previous studies in the Tagus estuary
(Canário et al. 2007a; Cesário et al. 2016) and also in
other international estuarine environments (Bratkič et al.
2013; Hammerschmidt and Fitzgerald 2008; Hines et al.
2012; Hollweg et al. 2009; Mitchell and Gilmour 2008).
In CNOR sediments, MMHgs concentrations ranged
between 1.0 and 87 ng g−1 in summer and from 1.3 to
25 ng g−1 in winter, with maximum values observed
between 5 and 10 cm depth (Fig. 3c). The same pattern
was observed in BRR sediments, although in deeper
sediment layers. In the summer period, MMHgs concen-
trations ranged from 0.76 to 201 ng g−1, with a broad

peak observed between 7 and 13 cm depth, decreasing
in winter period to values ranging from 1.2 to 61 ng g−1

(Fig. 3d). The concentrations of MMHg obtained in this
study were 10 to 25 times higher than values reported in
other contaminated areas such as in Deûle and Lys
Rivers, Northern France (1.6–7.6 ng g−1) (Daye et al.
2015), in Soca/Isonzo River, Northern Adriatic Sea
(0.2–6.3 ng g−1) (Bratkič et al. 2013), and in Marano
and Grado Lagoon, Italy (1.03–2.39 ng g−1) (Hines et al.
2012). The results obtained from CNOR in summer and
BRR in both campaigns showed positive correlations
between THgs and MMHgs concentrations in sediments
[r = 0.95, p < 0.05 in CNOR (above 10 cm depth,

BRRCNORFig. 3 Total mercury (THgs,
μg g−1) (a, b), methylmercury
(MMHgS, ng g

−1) (c, d)
concentrations, and
methylmercury proportions of the
total mercury (MMHgs/THgs) (e,
f) in sediments from Cala Norte
(CNOR) and Barreiro (BRR)
collected in summer (s) and
winter (w) periods

257 Page 8 of 19 Water Air Soil Pollut (2017) 228: 257



Fig. SI7); r = 0.88, p < 0.05 in BRR (above 13 cm depth,
Fig. SI8a) in summer period and r = 0.94, p < 0.05 in
BRR (all depths, Fig. SI8b) in winter period], suggest-
ing co-deposition of both Hg forms and/or MMHgS
production as result of higher THgS concentration. This
last observation was also reported in estuarine sediments
of the Patuxent River (USA) (Benoit et al. 1998) and in
deeper sediments from polluted sediments of the Deûle
River (France) (Kadlecová et al. 2012). However, in the
deeper sediments from CNOR and BRR cores collected
in summer, no correlations were found between THgs
and MMHgs, which suggest that MMHgs production/
retention is not Hg bioavailability dependent. As an
example, BRR sediments collected in summer showed
a positive correlation between MMHgs concentrations
and OC content (r = 0.85, p < 0.05, Fig. SI9), indicating
that in addition to Hg bioavailability, organic matter also
plays an important role in the sedimentary Hg methyla-
tion process (Ullrich et al. 2001). However, in CNOR
sediments collected in winter period, in situ MMHg
production seems to be mediated by other factors, such
as (i) the presence of organic and/or inorganic
complexing agents (Mikac et al. 1999; Ullrich et al.
2001); (ii) sorption/desorption MMHg mechanisms
(Canário et al. 2008a); and (iii) availability of labile
organic substrates, a fraction of the total OC
(Ravichandran 2004), rather than overall OC content,
or hypothetically, MMHg might be exported from
others sources rather than in situ produced, probably
by influencing of Tagus River discharge during a rainy
period in winter season. The observed seasonal varia-
tions in MMHgs concentrations suggest that methyla-
tion processes were more effective in summer period,
when sediments were up to 12 °C warmer than in winter
period. This is in agreement with other studies that
showed a maximum methylation activity in mid or late
summer (Hintelmann and Wilken 1995), presumably
due to the increase of temperature that directly induces
microbial activity (e.g., King et al. 1999). In addition,
the increment of the primary production and biological
activity during the warmer periods (Gameiro et al. 2011)
seems to stimulate the methylation process, providing to
methylating bacteria nutrients and a greater abundance
of relatively Hg-rich organic matter at the sediment-
water interface (Hintelmann and Wilken 1995). At both
sites, the MMHgs concentrations observed in this study
accounted for higher proportions to THgs in the warmer
month, with values above 1% in CNOR and 1.5% in
BRR (Fig. 3e, f). In colder months, these values

decrease to below 0.29 and 0.37% MMHgs in CNOR
and BRR sediments, respectively. The proportion of
MMHgs at the CNOR and BRR sites from Tagus estu-
ary is relatively low but is comparable to other highly
polluted estuaries impacted by historical discharges of
ore minerals (Table 1).

3.3 Porewater Mercury Distribution and Its Controls

Concentrations of THgD, RHgD, and MMHgD in
porewaters varied between sites and sampling cam-
paigns. In BRR site, concentrations of THgD ranged
between 71 and 365 ng L−1 (maximum at 3 cm depth)
in summer (Fig. 4a) and from 11 to 140 ng L−1 in winter
(Fig. 4b). In the CNOR site, THgD concentrations were
lower ranging from 6.8 to 166 ng L−1 (maximum at
13 cm depth) in summer (Fig. 5a) and between 5.3 and
96 ng L−1 in winter (Fig. 5b). A different pattern was
observed between seasons; once in winter, the higher
concentrations were observed in deeper sediments at
both sites (140 ng L−1 at 10 cm in BRR (Fig. 4b) and
96 ng L−1 at 17 cm in CNOR) (Fig. 5b). Total HgD
concentrations found in CNOR and BRR sediments
were 10 to 20 times higher than others found in sedi-
ments affected by point source pollution in Deûle and
Lys Rivers, Northern France (16 ± 3.2 and
11 ± 3.5 ng L−1) (Daye et al. 2015) but were in the same
order of magnitude than those found in Soca/Isonzo
River, Northern Adriatic Sea (2–220 ng L−1) (Bratkič
et al. 2013) and in sediment cores from Augusta Bay,
Southern Italy (8.4–226 ng L−1) (Oliveri et al. 2016).
Vertical profiles of RHgD were similar to those from
THgD in both periods for BRR (Fig. 4c, d) and CNOR
(Fig. 5c, d). This similarity suggests that these two Hg
fractions were in equilibrium with each other

Table 1 Comparison of MMHgs proportions of the THgs
(%MMHgs) in sediments from Tagus estuary with other interna-
tional estuarine/coastal systems

Estuarine/coastal system %MMHgs References

Paglia River (Italy) 0.06–0.1 Rimondi et al. (2012)

Soca/Isonso River (Northen
Adriatic Sea)

<0.121 Bratkic et al. (2013)

Tagus estuary (Portugal) 0.002–1.5 This study

Tagus River (Portugal) 0.01–3.7 Canário et al. (2007a)

Deûle River (Northern
France)

0.02–4.2 Daye et al. (2015)

Water Air Soil Pollut (2017) 228: 257 Page 9 of 19 257



(correlation between both species in Figs. SI10 and
SI11). The higher values of RHgD were determined in
BRR porewaters in warmer periods, as it was observed
in THgD levels. Accordingly, higher concentrations
were determined in summer, varying between 1.2 and
28 ng L−1 in CNOR and between 4.9 and 98 ng L−1 in
BRR. Lower RHgD levels in winter were observed in
CNOR (0.2–10 ng L−1), when compared with BRR
(0.1–26 ng L−1).

MMHgD concentrations in porewaters varied be-
tween 0.8 and 63 ng L−1 in summer (Fig. 4e) and
between 0.4 and 5.3 ng L−1 in winter (Fig. 4f) in BRR
porewaters. However, MMHgD in CNOR porewaters
were slightly lower ranging from 0.9 to 26 ng L−1 in
summer (Fig. 5e) and from 0.1 to 4.1 ng L−1 in winter
(Fig. 5f). The exhibited seasonal variation on MMHgD
concentrations was also observed in a study conducted
by Covelli et al. (2008) in Grado Lagoon, Italy, who

BRR - Summer BRR - Winter 

Fig. 4 Total dissolved mercury (THgD) (a, b), reactive dissolved
mercury (RHgD) (c, d), and dissolved methylmercury (MMHgD)
(e, f) concentrations (ng L−1) in porewaters from sediments col-
lected in Barreiro (BRR) in summer (s) and winter (w) periods. The
bare point corresponds to the overlying water and the full points
correspond to porewaters

CNOR – Summer CNOR – Winter

Fig. 5 Total dissolved mercury (THgD) (a, b), reactive dissolved
mercury (RHgD) (c, d), and dissolved methylmercury (MMHgD)
(e, f) concentrations (ng L−1) in porewaters from sediments col-
lected in Cala Norte (CNOR) in summer (s) andwinter (w) periods.
The bare point corresponds to the overlying water and the full
points correspond to porewaters
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reported higher porewater MMHg contents in the warm-
er period. MMHgD concentrations observed in the
colder period were in the same order of magnitude
of those reported in contaminated sediments from
Soca/Isonzo River, Northern Adriatic Sea (0.12–
8.55 ng L−1) (Bratkič et al. 2013) but were gen-
erally higher than those reported in porewaters of
the San Francisco Bay Delta, USA (0–13 ng L−1;
Choe et al. (2004)), the Marano Lagoon, Italy
(0.1–6.25 ng L−1; Emili et al. (2012)), the Grado
Lagoon, Italy (0.9–7.9 ng L−1; Covelli et al.
(2008)), and the St. Lawrence River, Canada
(<0.01–1.94 ng L−1; Goulet et al. (2007)).

MMHgD vertical profiles showed, in general, a sub-
surface maximum with the highest values in summer
period. In this period, higher levels at CNOR were
observed between 6.5 and 9.5 cm depth (26 ng L−1),
while in BRR, the maximum of 63 ng L−1 was at 7.5 cm.
In winter period, MMHgD values decreased at both
sites. Although in BRR maximum MMHgD concentra-
tions (5.3 ng L−1) were observed more near the surface
(4.5 cm), in CNOR, the higher MMHgD concentrations
were observed deeper (17 cm) and were six times lower
(4.1 ng L−1) compared to the summer maximum. In
addition to the positive correlation (r = 0.88, p < 0.05)
observed between THgD and RHgD in porewaters from
CNOR in colder period (Fig. SI10b), also positive cor-
relations between these dissolved Hg species and
MMHgD (r = 0.84, p < 0.05 for THgD and MMHgD;
r = 0.86, p < 0.05 for RHgD and MMHgD, Fig. SI12)
were observed suggesting equilibriums between the
three dissolved Hg species. Therefore, MMHgD produc-
tion was presumably controlled by the bioavailability of
the other dissolved Hg species. A different pattern was
observed in the CNOR sediments collected in summer,
which showed a broad peak between 7 and 10 cm depth,
with MMHgD maximum concentration (26 ng L−1) at
9 cm depth (Fig. 5e). These results suggest that RHgD
wasmobilized in the sedimentary column between those
two depths and is now possibly available for methyla-
tion. Either RHgD was mobilized in the sedimentary
column by downward diffusion or it was consumed
during methylation thereby decreasing its concentra-
tions and consequently increasing MMHgD concentra-
tions. This pattern was also observed in BRR sediments
from winter period. Although in BRR summer sedi-
ments the methyl peak (7.5 cm depth) was observed
below the RHgD peak (2.5 cm depth), suggesting that
below this depth, all RHgD was consumed during

methylation. The obtained results indicated that distri-
bution of Hg species in porewater is not solely governed
by exchange equilibrium between solid and dissolved
phases. The decoupling between THgD and MMHgD
profiles of summer sediments from CNOR and BRR
suggested that Hg availability was not the main driver
for methylation in these sediments. Moreover, several
other processes may affect MMHgD concentrations in
porewaters like in situ production by methylating bac-
teria (Fleming et al. 2006; Kerin et al. 2006), dissolution
of authigenic Fe and Mn oxyhydroxides (Bloom et al.
1999; Gagnon et al. 1997), and quantity and quality of
DOM in anoxic sediments (Lambertsson and Nilssons
2006; Randall and Chattopadhyay 2013). Despite the
removal of Hg from the dissolved fraction can be attrib-
uted to the formation of Fe/Mn oxyhydroxides that sorb
Hg onto solids (Bloom et al. 1999; Gagnon et al. 1996),
the lack of correlation between Fe/Mn and THg concen-
trations in porewaters (Table SI4) at both sites and
periods suggested that the diagenetic reactions involv-
ing Hg and Fe/Mn oxyhydroxides were not a key factor
in the dynamic of Hg in these sediments. It is also
important to evaluate the influence of sulfur chemistry
in the Hg and MMHg dynamics in sediments. Measure-
ments of porewater sulfide (HS−) and sulfate (SO4

2−)
concentrations were limited to the warmer period. Over-
all, SO4

2− concentrations were higher in top layers in
both sediment cores and inversely correlated with lower
HS− levels in the corresponding layers. The anoxic layer
of these sediments [below 6 cm depth in CNOR (Fig.
6a) and below 3 cm depth in BRR (Fig. 6b)] indicated
that sulfate was, in fact, reduced to HS−. Concentrations
of MMHgD increased with the HS− levels in porewaters

CNOR - Summer BRR - Summer 

Fig. 6 Concentrations of sulfate (SO4
2−, mM) and sulfide (HS−,

μM) in porewaters from sediments collected in Cala Norte
(CNOR) (a) and Barreiro (BRR) (b) in summer period
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of CNOR, while RHgD concentrations decreased with
the increments in HS−. This points to the apparent
activity of SRBs on the Hg cycle, suggesting that these
bacteria are methylating inorganic Hg. If SO4

2− and
RHgD are necessary for SRBs to methylate Hg, HS−

may contribute to diminish MMHgD concentrations due
to HgS precipitation (Du Laing et al. 2009; Ullrich et al.
2001) and thereby reducing the available RHgD and/or
possibly producing dimethylmercury (Gagnon et al.
1996; King et al. 2000). In fact, MMHgD concentrations
in CNOR sediments generally parallel HS− concentra-
tions and a significant positive correlation (r = 0.89,
p < 0.05, Fig. SI13) was observed, indicating that Hg
available for methylation is not limited by HgS precip-
itation (Ullrich et al. 2001). A different pattern was
observed in BRR sediments, where HS− and MMHgD
concentrations were not correlated (p > 0.05), suggest-
ing that the formation of HgS by precipitation may be a
limiting factor in Hg methylation. Moreover, above
5 cm depth, a small HS− peak was observed with a
parallel increase in RHgD and decrease of SO4

2− con-
centrations, pointing to the reduction of SO4

2− to HS−

probably due to the activity of SRBs. Otherwise, below
10 cm depth, HS− seems to contribute to the decrease in
MMHgD concentrations either by controlling HgS pre-
cipitation or reducing the available RHgD.

The MMHgD concentrations accounted from 1.0 to
43% of the THgD in CNOR and from 0.22 to 86% in
BRR porewaters in warmer period (Fig. 7a, b). Howev-
er, these proportions were lower in winter, decreasing to
values between 2.1 and 20% in CNOR and from 0.5 to
15% in BRR (Fig. 7c, d). The %MMHgD values deter-
mined in this study were higher than those found in
contaminated sediments from Soca/Isonzo River estuary
(Northern Adriatic Sea), (MMHgD <25%) (Bratkič et al.
2013) but in the same range to those reported in Truckee
River (67 ± 26%) (Pizarro-Barraza et al. 2014) and in
Carson River (20–80%) (Bonzongo et al. 1996), both
located in the USA.

The decrease of MMHg production in winter may be
controlled not only by a decrease of microbial activity in
colder months but also by the Hg availability and the
concentration of DOC in the porewaters. Likewise,
DOC can promote MMHg production by stimulating
microbial activity and thus increasing methylation rates
(Graham et al. 2012). In fact, our data suggests that Hg
availability and porewater DOC are also important
drivers for biomethylation in porewaters from CNOR
in the colder month. The strong positive correlations

observed between MMHgD and HgD species (r = 0.84,
p < 0.05 for MMHgD vs THgD, Fig. SI12a, and r = 0.86,
p < 0.05 for MMHgD vs RHgD, Fig. SI12b) suggest that
inorganic Hg dissolved species may be a limiting factor
for MMHg production. However, the absence of posi-
tive correlations (p > 0.05) between DOC concentra-
tions (Fig. SI14) and %MMHgD, in CNOR (in summer)
and in BRR (in both periods), suggested that different
relationships between %MMHgD and DOC occurred.
Whereas in BRR sediments the increases of %MMHgD
and DOC concentrations with temperature are coupled,
in CNOR sediments, the opposite trend was observed
with %MMHgD increasing with the decrease of DOC
(Fig. SI15). Similar results were attributed to (i) different
nature of DOC (Ravichandran 2004), (ii) to the charac-
ter (e.g., aromaticity) of DOC, which induced strong
binding sites to inorganic Hg and MMHg attenuating
the partitioning of dissolved MMHg (Tsui and Finlay
2011), and also to (iii) molecular composition of DOC
constituents (Mitchell and Gilmour 2008). The positive

CNOR - Summer BRR - Summer 

CNOR - Winter BRR - Winter 

Fig. 7 Dissolved methylmercury (MMHgD) proportions of the
total dissolved mercury (THgD) (MMHgD/THgD, %) in
porewaters from sediments collected in summer (s) (a, b) and in
winter (w) (c, d) periods in Cala Norte (CNOR) and in Barreiro
(BRR)
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relationship betweenMMHg production and DOC com-
position was also observed by Hollweg et al. (2009), in
sediments from Chesapeake Bay and mid-Atlantic con-
tinental margin. Accordingly, the nature and chemical
composition of DOC and presumably their binding sites
are driving factors that need to be considered in the
methylation process. In fact, CNOR and BRR have
different morphological characteristics, while salt-
marsh areas, colonized by different halophyte species,
surround CNOR. BRR site has no influence of vegeta-
tion, thus providing DOC with different characteristics.
Moreover, in CNOR winter sediments, an increasing
tendency of %MMHgD with DOC concentrations
(r = 0.85, p < 0.05, Fig. SI16) was observed, which is
in line with results published for San Francisco Bay,
California (Conaway et al. 2003) and New Jersey/New
York Harbor (Hammerschmidt et al. 2008), both located
in the USA. As such, further research on the speciation/
composition of DOC will be necessary to provide a
better knowledge about the mechanisms involving these
mercury species, when concerning Hg methylation/
MMHg demethylation processes.

3.4 Mercury Partition Between Solids and Porewaters

The Hg and MMHg distribution between solid and
dissolved phases can be expressed in terms of logKD

value, with KD coefficient expressed as ([THgs]/
[THgD]), for THg and as ([MMHgs]/[MMHgD]) for
MMHg (Bratkič et al. 2013; Daye et al. 2015), both in
liters per kilogram. In sediments, this distribution has
considerable effect on the bioavailability of Hg for
methylation, as well as the availability of MMHg to
organisms at the base of the food web (Rothenberg
et al. 2008). The strong positive correlation (r = 0.89,
p < 0.05, Fig. SI17a) observed between MMHgs and
MMHgD in sediments from CNOR core collected in
summer evidenced that levels of MMHgs in the solids
are reflected in highMMHgD values in porewaters. This
trend was also observed between THgS and THgD
(r = 0.97, p < 0.05, Fig. SI17b) in the first 10 cm depth
of CNOR sediments from the colder period, indicating
that total Hg in solid and dissolved fractions was in
equilibrium. However, THgD concentrations in
porewaters of CNOR from summer and of BRR from
both periods are not significantly correlated to THgs,
reflecting the absence of equilibrium’s between the dis-
solved and solid phases. In fact, in these cases, THgD
and THgs distributions were mirror images from each

other. The same pattern was also observed for MMHg
between solid and dissolved fractions from BRR sedi-
ments in both periods. LogKD values for THg (Table 2)
were slightly higher in winter for both sites (5.7 ± 0.3 in
CNOR and 5.2 ± 0.5 in BRR) compared to summer
values (5.2 ± 0.5 for CNOR and 4.9 ± 0.9 for BRR),
without statistical differences (p > 0.05), reflecting low-
er Hg remobilization from solid sediments to porewaters
in the colder season. Since the remobilization of Hg
from the solid fraction is frequently associated to the
microbial diagenetic reactions occurring in the sedi-
ment, with the consequent release of solute to
porewaters (Canário et al. 2003; Schulz and Zabel
2000), it is expected that this remobilization should be
lower when the microbial activity is also lower. Simi-
larly, higher logKD (THg) values were reported in con-
taminated sediments from Augusta Bay, Southern Italy
(4.8–5.8) (Oliveri et al. 2016), from Olt River, Romania
(5.1–6.7) (Bravo et al. 2014), from Deûle and Lys
Rivers, Northern France (4.1–6.0) (Daye et al. 2015),
from Soca/Izonzo River, Northern Adriatic Sea (4.6–
6.7) (Bratkič et al. 2013), and from Marano and Grado
Lagoon, Italy (3.6–5.6) (Emili et al. 2012).

Seasonal average logKD values for MMHg (Table 2)
present the same trend that was seen for THg, being also
slightly higher in the colder period. However, the dif-
ferences between sites were minimal, and, in fact, no
statistical differences (p > 0.05) were observed in logKD

(MMHg) values between sites and sampling periods
(Fig. SI18). It has been pointed out that Hg availability
in sediments is dependent on its release/scavenging by
three major bulk phases: sulfur, iron, and manganese
and organic matter (Daye et al. 2015). Considering the
latter, our results pointed to the relevant influence of the
organic carbon content (%OC) in the Hg binding, trans-
port, and transformation processes in sediments from
BRR collected in summer. Moreover, the relevant asso-
ciations between logKD of THg and MMHg and %OC
were observed only in sediment from BRR during the
warmer period (r = 0.80, p < 0.05 for logKD (THg) and
%OC, Fig. SI19a, and r = 0.71, p < 0.05 for logKD

(MMHg) and %OC, Fig. SI19b). These results indicate
that the OC content influences the partitioning of both
species proportionally in this specific case. Similar cor-
relations between logKD of Hg species (THg and
MMHg) and sedimentary organic content were also
reported in two independent sites in Deûle and Lys
Rivers (Northern France) (Daye et al. 2015), in Lavaca
Bay (Texas) (Gill et al. 1999), and in New Jersey/New
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York Harbor (USA) (Hammerschmidt et al. 2008).
However, the same patterns were not observed in BRR
sediments from winter and in CNOR sediments from
both periods, as was shown earlier by the lack of corre-
lation between THg, MMHg, and %OC contents, sug-
gesting that other factors such as dissolution and precip-
itation of hydroxides and sulfides and/or quality of
organic matter are also important in controlling
sediment-water partitioning and furthermore influenced
the Hg dynamics in sediments.

3.5 Estimated Sediment-Water Diffusive Fluxes of THg
and MMHg

Sediments can be a potential source of Hg and MMHg to
the water column through molecular diffusion or advec-
tion of dissolved Hg species (Abi-Ghanem et al. 2011;
Bratkič et al. 2013; Daye et al. 2015; Rothenberg et al.
2008). Based on the THgD and MMHgD concentration
gradients between the uppermost porewaters (0–1 cm) and
overlying surface waters, we estimate the transport of Hg
across the sediment-water interface due to diffusion. In
general, during colder periods, sediments were always the
principal source of THgD and MMHgD to the water
column. In warmer period, the same pattern was observed
for the THgD diffusive flux, but the opposite process—
influx (from overlying water to porewater) of MMHgD—
was observed in CNOR and BRR sediments (Table 3).
This indicates that these sediments were always a source
of THgD but only a source of MMHgD to the water
column in colder periods. In summer, sediments acted as
a sink of MMHgD at both sampling sites. During this
period, the higher MMHgD fluxes were found for BRR
sediments (−45 ng m−2 day−1) compared to CNOR
(−10 ng m−2 day−1). This difference can be due to a more
active exchange between sediment and overlying water,
which tends to create higher concentration gradients

during warmer temperatures. Due to the lower hydrody-
namics in CNOR, the concentration gradients in the
sediment-water interfaces are lower. Also, sediment resus-
pension in CNOR is less pronounced (low hydrodynam-
ics), limiting the upward transport of Hg species by ad-
vection mechanisms. Since the Tagus River (upstream of
both sites) is the main source of dissolved oxygen to
estuary (Canário et al. 2008a) and considering that in
warmer period the river flow is lower, anoxic conditions
are frequently observed in the water column, which may
contribute to high MMHg levels in bottom water and
therefore inverted fluxes during the warmer months. Esti-
mations of diffusive THgD fluxes from our sediments
(Table 3) were in the same range than those reported in
contaminated sediments from Soca/Isonzo River (North-
ern Adriatic Sea) (2.48–55.1 ng m−2 day−1) (Bratkič et al.
2013) but were lower than those reported by Gray et al.
(2004), in sediments from Almaden mining district,
Valdeazognes River, Spain (0.66–6236 ng m−2 day−1),
and by Daye et al. (2015) in sediments from Deûle and
Lys Rivers, France (1493 and 13–353 ng m−2 day−1, re-
spectively). However, our values were higher than those
reported in sediments from Lavaca Bay, Texas, USA

Table 2 Mean ± 1 standard deviation (SD) and range values for the partitioning coefficient, logKD, for THg and MMHg in sediments from
Cala Norte (CNOR) and Barreiro (BRR) collected in summer and winter periods

LogKD (THg) LogKD (MMHg)

Mean ± 1SD Range Mean ± 1SD Range

CNOR Summer 5.2 ± 0.5 4.4–6.4 3.6 ± 0.3 3.0–4.5

Winter 5.7 ± 0.3 5.2–6.2 3.7 ± 0.7 2.6–5.3

BRR Summer 4.9 ± 0.9 2.9–5.9 3.7 ± 0.7 2.7–4.7

Winter 5.2 ± 0.5 4.3–6.0 3.8 ± 0.7 2.4–4.9

Table 3 Seasonal diffusion fluxes (J, ng m−2 day−1) of total
dissolved mercury (THgD) and dissolved methylmercury
(MMHgD) in Cala Norte (CNOR) and Barreiro (BRR) in summer
(s) and winter (w) periods

ng Hg m−2 day−1 ng MMHg m−2 day−1

CNOR Summer 25 −10
Winter 22 0.84

BRR Summer 5.0 −45
Winter 29 4.5

Positive values correspond to upward diffusion (from sediments to
overlying water—efflux) and negative values correspond to down-
ward diffusion (from overlying water to porewater—influx)
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(0.4–16 ng m−2 day−1) (Gill et al. 1999). Conversely,
MMHgD fluxes estimated in this study were generally
higher than those reported inMarano and Grado Lagoons,
Italy (4.2 ngm−2 day−1 in summer and of 4.0 ngm−2 day−1

in winter seasons) (Emili et al. 2012) than those estimated
in Lebanese Coast, Eastern Mediterranean (0.38–
0.80 ng m−2 day−1) (Abi-Ghanem et al. 2011), also influ-
enced by industrial activities. Considering the total area of
e a c h s i t e (CNOR = 2 . 7 1 × 10 6 m 2 an d
BRR = 1.02 × 106 m2), assuming that each period (sum-
mer and winter) is representative of half of the year and
sediments are covered by tidal water 12 h a day (semidi-
urnal tidal cycle), we estimated the amount of HgD ex-
changed between sediment and the water column on an
annual basis. A positive flux of approximately 11.5 and
3.15 g of HgD per year was estimated for CNOR andBRR
sediments, respectively. The annual balance is positive
indicating that sediments from both contaminated sites
are sources of Hg to the water column of the Tagus
estuary. Although the MMHgD diffusive fluxes presented
opposite behavior between summer and winter periods,
the efflux of the methyl form in CNOR and BRR only
accounts for 8.2 and 10%, respectively, of the annual
MMHgD flux meaning that MMHg depositions in surface
sediments at both sites are up to 90% higher than expor-
tation to the water column. Thus, sediments from both
sites act mainly as sinks of MMHg with an average
Bdeposition^ of ca. 2330 mg year−1 for CNOR and
3740 mg year−1 for BRR. However, it must be noted that
this tentative budget is probably very much
underestimated once benthic fluxes are currently reported
to be up two orders ofmagnitude higher than the estimated
diffusive fluxes for bothHg andMMHg (Choe et al. 2004;
Covelli et al. 1999, 2008; Gill et al. 1999; Point et al.
2007). This discrepancy could be due to inappropriate
resolution of porewater concentration gradients near the
sediment-water interface. Thus, the impact of these two
contaminated areas in the estuarine ecosystem can be
much higher than the predicted in this study. Moreover,
we should also consider other transport processes like tidal
advection (Cesário et al. 2017) or bioturbation/
bioirrigation activity (Fanjul et al. 2011; Zagar et al.
2007) to evaluate the total Hg and MMHg budget.

4 Conclusions

Our study clearly confirms the continuous permanence
of two Hg hotspots in the Tagus estuary with Hg and

MMHg concentrations in sediments reaching 125 μg
Hg g−1 and 200 ng MMHg g−1, reflecting the degree of
contamination that the Tagus Estuary has been exposed
to over the years. This study reports the impact of
seasonal variation in the several processes involved in
the Hg methylation and in the fluxes of Hg and MMHg
between sediment-water interfaces. Higher proportions
of MMHg in both fractions of sediments were found in
summer period, thus increasing sediment toxicity, af-
fecting the sediment/water MMHg (and Hg) fluxes and
increasing the risk of contamination to the water col-
umn. The positive correlations between MMHg, THg,
and OC contents and DOC concentrations in BRR and
CNOR sediments corroborate that MMHg production is
mainly mediated by Hg availability and organic carbon,
although in different phases. The sulfur chemistry seems
to influence Hg methylation in both sites, being this
more pronounced in CNOR in warmer period. Levels
of Hg and MMHg in CNOR and BRR sites were con-
sidered of major concern once his dynamics in sedi-
ments cause an exportation of ca. 11,500 and
3100 mg year−1 of Hg and a Bdeposition^ of 2300 and
3700mg year−1 ofMMHg, respectively. However, these
annual budgets of both Hg species were probably
underestimated if we consider that benthic fluxes can
be up to orders of magnitude higher than the estimated
diffusive fluxes. Among these major findings, this work
also provides updated data of Hg and MMHg in surface
and depth sediments in Tagus estuary, indicating that not
only the contamination still persist (even after the end of
Hg inputs in the two industrial areas) but also that this
contamination spreads along the estuary reaching
protected areas, without anthropogenic influences of
this metal (Cesário et al. 2016). However, understanding
the major factors controlling methylation and demeth-
ylation is essential to control the concentrations and the
accumulation of MMHg in sediments. Therefore, fur-
ther studies are needed to better understand the Hg
reactivity in highly contaminated sediments from Tagus
estuary. From an ecological point of view and consider-
ing the complexity of factors that affect Hg methylation
in estuarine environments, such as the Tagus estuary, it
is necessary to keep track of Hg levels and the processes
responsible for the spread of this contamination to other
areas in the estuary.
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