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Abstract
Urbanisation threatens species through habitat loss, isolation and fragmentation. Greenspace in urban landscapes often 
provides connectivity and habitat for wetland-dependent species. Accessible greenspace measures the combined effects 
of movement barriers (e.g., roads) and the total amount of greenspace on populations. I determined whether accessible 
greenspace was a better predictor of amphibian occupancy at ponds than the total amount of greenspace, and at what spatial 
scale. I also assessed the relative importance of habitat variables at the local pond-scale. Frog surveys were conducted at 
65 ponds distributed along an urban–rural gradient over two breeding seasons in the greater Melbourne region, Australia. 
Accessible greenspace was mapped around ponds at varying spatial scales (250 m – 2000 m) using potential barriers to 
amphibian movement. The best-ranked multi-species occupancy model included the proportion of total greenspace within 
a 1000-m radius of a pond and four local-scale covariates (presence of mosquitofish, pond permanence, vertical pond walls 
and water conductivity). There was no support for models containing accessible greenspace. There was a positive relationship 
between the probability of community and species-level occupancy and total greenspace within 1000 m of a pond. There 
was a negative relationship between mean community occupancy and the presence of a vertical pond wall at a site. There 
was no apparent effect of barriers on occupancy, indicating that urban areas may be more permeable for movement by some 
species than predicted. Individual species responses demonstrated that management actions are required at fine and broad 
spatial scales to benefit amphibian communities in urban landscapes.

Keywords Accessible habitat · Habitat fragmentation · Metacommunity · Multi-species occupancy model · Urbanisation · 
Wetlands

Introduction

Urbanisation involves the widespread transformation of nat-
ural land surfaces, replacing vegetation and wetlands with 
roads, houses, buildings and other non-natural impervious 
surfaces, which subsequently fragments any remaining natu-
ral habitats into smaller patches (McKinney 2002; Theobald 
et al. 1997). Predicted trends show that by 2030 there will 
be an almost three-fold increase in global urban land cover 

from 2000 to 2030, corresponding with an increase of 5 bil-
lion people to the global urban population (Seto et al. 2011). 
Unsurprisingly, the rapid landscape transformation associ-
ated with urbanisation is driving increased rates of species 
extinctions, largely due to habitat loss and fragmentation, 
but also because of non-native species introductions (Czech 
et al. 2000; Grimm et al. 2008; Shochat et al. 2010; Vitousek 
et al. 1997). A key challenge in mitigating the effect of 
urbanisation on biodiversity is preserving habitat patches 
(e.g., greenspace) of sufficient size and quality to maintain 
viable remnant populations (Haaland and van den Bosch 
2015; Hahs et al. 2009), given that most greenspaces are 
small, isolated and highly fragmented (Lepczyk et al. 2017).

Urban greenspace is defined as any vegetation found in 
the urban environment, including parks, open spaces and 
residential gardens (Haaland and van den Bosch 2015), 
although this definition can be extended to include urban 
ponds that are often embedded within greenspace (Oertli 

 * Andrew J. Hamer 
 a.hamer@unimelb.edu.au

1 Australian Research Centre for Urban Ecology, Royal 
Botanic Gardens Victoria c/o School of BioSciences, 
University of Melbourne, Parkville, VIC 3010, Australia

2 Balaton Limnological Research Institute, Eötvös Loránd 
Research Network (ELKH), Klebelsberg K. u. 3, 
Tihany 8237, Hungary

/ Published online: 8 September 2021

Urban Ecosystems (2022) 25:393–409

http://orcid.org/0000-0001-6031-7841
http://crossmark.crossref.org/dialog/?doi=10.1007/s11252-021-01162-y&domain=pdf


1 3

and Parris 2019). The importance of greenspace and associ-
ated wetlands for the persistence of wildlife in urban areas 
has been demonstrated for multiple taxa (Hamer et al. 2018; 
Matthies et al. 2017; Straka et al. 2016; Thornhill et al. 
2017). Wetland-dependent organisms such as amphibians 
depend on inter-connected networks of aquatic and terres-
trial habitats to facilitate movement among habitat patches 
within metapopulations (Semlitsch 2002). Ponds and wet-
lands provide breeding sites while non-breeding terrestrial 
habitats provide foraging and shelter sites, and both habitat 
types need to be linked to enable species to complete their 
complex life cycles through landscape complementation 
(Pope et al. 2000). Pond-breeding amphibian species have 
aquatic-developing larvae that metamorphose and disperse 
towards terrestrial habitats (Semlitsch 2002), and barri-
ers that prevent dispersal (e.g., roads) can severely disrupt 
metapopulation dynamics (Hamer et al. 2015; Marsh et al. 
2017). Over one-third of amphibian species are currently 
threatened by urbanisation due to habitat loss, isolation and 
fragmentation, and deteriorating habitat quality (Hamer and 
McDonnell 2008). Despite the myriad of threats faced by 
amphibians in urban areas, populations of some species can 
persist in urban ponds if surrounded by an adequate quantity 
and quality of greenspace that provides breeding habitats 
and landscape connectivity (Fuyuki et al. 2014; Hutto and 
Barrett 2021; Kruger et al. 2015; Li et al. 2018).

There is currently a call for greater understanding of the 
importance of urban greenspace for biodiversity, particularly 
from studies on less-studied taxa and that focus on responses 
to landscape and local-scale factors, underpinned by meta-
population theory (Lepczyk et al. 2017). Despite the nov-
elty of many urban ecosystems and greenspaces (Aronson 
et al. 2017; Kowarik 2011), existing ecological theory (e.g., 
metacommunity) is considered sufficient for understanding 
how amphibian communities respond to urbanisation (Parris 
2018). A metacommunity is a set of local communities that 
are linked by dispersal of multiple potentially interacting 
species (Leibold et al. 2004). Other ecological theories may 
equally apply in urban environments – for instance, the pond 
permanence gradient provides a basis for understanding how 
amphibian communities respond to pond drying and fish 
predation (Wellborn et al. 1996), although this will depend 
on the availability of certain pond types in urban areas, par-
ticularly ephemeral ponds which are often destroyed during 
urbanisation (Hamer and Parris 2013; Urban and Roehm 
2018).

Research into the effect of fragmentation of urban greens-
pace on amphibian communities is likely to benefit by adopt-
ing approaches taken previously to investigate the impacts 
of linear barriers within circular buffers around breeding 
sites. In urban landscapes, the extent of terrestrial habitat 
around a pond, measured at distances up to 2000 m, usually 
correlates with an increase in amphibian species richness 

and occupancy (Gagné and Fahrig 2007; Green et al. 2021; 
Guderyahn et al. 2016; Smallbone et al. 2011). However, 
increases in road density around ponds invariably leads to 
reductions in terrestrial habitat and aquatic connectivity (and 
hence pond isolation), in addition to road effects and road 
mortality, all of which negatively impact amphibian com-
munities (Beebee 2013; Parris 2006; Sutherland et al. 2010; 
Trombulak and Frissell 2000). Therefore, when assessing 
relationships between greenspace and amphibian distribu-
tions in urban landscapes it may be important to consider the 
availability and configuration of terrestrial habitat around a 
pond relative to the presence of linear barriers.

Accessible habitat measures the combined effects of lin-
ear barriers and habitat amount, defined as the amount of 
terrestrial habitat that can be reached by an amphibian from 
a focal habitat patch (e.g., pond) without crossing a road or 
other barrier, thereby acknowledging that habitat accessible 
from a focal patch without crossing a road is likely to be 
more important for maintaining metapopulation dynamics 
and landscape complementation than habitat on the other 
side of the road (Eigenbrod et al. 2008). In an urban context, 
accessible greenspace is therefore the amount of greenspace 
that can be accessed from a pond without crossing a move-
ment barrier. Studies examining the relative effect of acces-
sible habitat on amphibians have generally hypothesised 
that accessible habitat is the best predictor of the effects 
of habitat loss and roads for species for which roads are a 
major barrier to movement, and so there should be a stronger 
relationship between accessible habitat and species than total 
habitat amount (Eigenbrod et al. 2008; Hamer 2016, 2018). 
Barrier-based buffers are a similar method, using major 
impassable barriers to dispersal such as highways, railways 
and rivers to make predictions about amphibian pond occu-
pancy compared to the area of terrestrial habitat measured 
in traditional circular buffers around a site (Zanini et al. 
2008). While these studies examined relationships between 
accessible habitat and amphibian distribution in agricultural 
or peri-urban settings, no studies have assessed accessible 
habitat in highly-urbanised landscapes.

Here, I examined relationships between greenspace and 
amphibian community occupancy at ponds in an urban land-
scape using accessible greenspace. I predicted that (1) the 
proportion cover of accessible greenspace around a pond 
would be a better predictor of amphibian occupancy than 
the total amount of greenspace; (2) the proportion cover of 
greenspace within a 1000-m radius around a pond would be 
the best spatial scale for inference; and (3) local-scale habitat 
variables would be important for pond occupancy. Important 
relationships between greenspace measured within a 1000-m 
radius around a pond, local habitat quality and amphibian 
species richness and community composition were evident 
previously in the study area (Hamer and Parris 2011). I used 
hierarchical, multi-species occupancy modelling (MSOM) to 
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estimate the probability of pond occupancy at a community-
level scale and for individual frog species, thereby aiming 
to link metacommunity structure at ponds to the availabil-
ity and accessibility of urban greenspace. The application 
of hierarchical multi-scale models to address questions of 
landscape ecology has been recommended in urban envi-
ronments, given the fine spatial scales at which urban areas 
are fragmented (Norton et al. 2016). I summarise manage-
ment interventions that could be applied in urban ponds and 
greenspace to increase the persistence of amphibian meta-
communities and highlight the utility of using MSOM for 
monitoring amphibian communities in urban areas.

Methods

Study area

The study was conducted in the greater Melbourne region, 
Victoria, in south-eastern Australia, which includes the city 
of Melbourne. The region was first settled by European 
people in 1835 and had a human population of just over 4 
million in 2010, which is predicted to reach 6.5 million by 
2051 (Ives et al. 2013). Melbourne has a temperate climate, 
with an annual mean temperature of 15.5 °C and an annual 
mean precipitation of 639 mm, distributed evenly throughout 
the year (Stern 2005). The area of remnant wetlands in the 
inner and outer suburbs of Melbourne totals ca. 4500 ha, 
while only 2% and 16% of the inner-city area and outer sub-
urbs of Melbourne, respectively, are still covered in remnant 
vegetation (McDonnell and Holland 2008). Habitat loss and 
fragmentation due to urbanisation since the latter half of the 

twentieth century has resulted in declining populations of 
several frog species in the region (Hamer and McDonnell 
2010).

Study site selection

Sixty-five ponds (lentic waterbodies) were selected along 
an urban–rural gradient, stratified by the proportion of road 
cover in a 500-m radius around each pond, and by pond sur-
face area (small: < 200  m2; and large: ≥ 200  m2). Site selec-
tion included a range of waterbody types including orna-
mental ponds in city parks and gardens, stormwater retention 
ponds, waterbodies in disused quarries, and semi-natural 
wetlands, varying greatly in size (2 – 51,104  m2). Nearest 
neighbour distances between ponds were between 2 m and 
15.7 km (mean = 972 m; SD = 2607 m). See Fig. 1 for a map 
of the pond distribution relative to urban greenspace.

Frog surveys

Four frog surveys were conducted at the 65 ponds over two 
breeding seasons in spring, summer and autumn (November 
– December 2007, March – April 2008, August – September 
2008 and November – December 2008). These dates cor-
responded with the breeding period of the 14 frog species 
recorded in the greater Melbourne region (Hero et al. 1991). 
It was assumed that the pond system was closed to local colo-
nisation/extinction by frogs, despite extending over two years. 
The 65 ponds were assigned to one of 22 spatial clusters, each 
containing 1 – 17 wetlands, with each cluster comprising 
ponds ≤ 2 km apart that were not separated by major roads (i.e., 
barriers to dispersal). To eliminate bias in survey timing, the 

Fig. 1  Location of the 65 ponds 
sampled in the greater Mel-
bourne region, Australia. The 
black square is the Melbourne 
central business district and the 
road network is shown in grey
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sequence that ponds were surveyed was randomised according 
to site cluster. Frog surveys comprised quiet listening at ponds 
for 5 min to detect calling male frogs (Scott and Woodward 
1994). Frog species present in the Melbourne region have dis-
tinct mating advertisement calls and so there was minimal risk 
of making false positive detections. Visual encounter surveys 
were then conducted usually by one observer using a headlight 
to search for frogs in areas of aquatic vegetation, open water 
and around the shoreline, as well as the ground and vegetation 
within 10 m of the shoreline (Crump and Scott 1994). Frog 
surveys commenced approximately 30 min after sunset. The 
amount of time spent searching was proportional to pond size 
and habitat complexity. The number of frog species heard and 
seen was recorded, including life stage (metamorph, juvenile, 
sub-adult, adult). Tadpole sightings during frog surveys were 
not included in the results. Air temperature (wet bulb) was 
recorded at the start of each survey. Protocols to reduce the risk 
of spreading the amphibian chytrid fungus (Batrachochytrium 
dendrobatidis) were followed when conducting fieldwork 
(Phillott et al. 2010).

Accessible greenspace

Accessible greenspace (ACC_GREEN) was defined as the 
total area of land mapped as green open space within vary-
ing buffer radii extending around each site from the pond 
margin, that could be reached by a dispersing frog with-
out having to cross main roads, highways, railways, rivers 
or dense inner-city urban matrix. Greenspace was mapped 
using a GIS spatial layer  composed of parks and gardens, 
remnant patches of native vegetation, and recreational fields 
(Open Space 2002: Australian Research Centre for Urban 
Ecology 2003), many of which contain ponds and wet-
lands (Parris 2006). Greenspace was considered a potential 
measure of landscape connectivity, and both terrestrial and 
aquatic habitat availability (Hamer and Parris 2011), which 
amphibians require to sustain complex life cycles within 
metapopulations (Semlitsch 2002). I assumed that frog spe-
cies in the study area are attempting to cross most roads, but 
that main roads and highways represent significant barriers 
to movement, with smaller two-lane roads having a weaker 
barrier effect due to a smaller physical footprint and poten-
tially lower traffic volumes at night when frogs are most 
likely to disperse (Eigenbrod et al. 2008). I also assumed that 
railway lines and rivers (e.g., Yarra River) were completely 
impassable barriers for frogs, but also that highly-developed 
urban land contained a range of barriers (e.g., fences, walls, 
buildings, wide areas of open impervious surfaces) that con-
stituted absolute barriers to amphibian movement (Joly et al. 
2003; Zanini et al. 2008). To determine the relative impor-
tance of accessible greenspace in predicting the combined 
effects of habitat availability and natural and artificial bar-
riers on amphibian occupancy, the total area of greenspace 

(GREEN) was also measured, ignoring barriers within buff-
ers. Accessible and total greenspace were measured within 
buffers of varying radii extending from the pond margin 
– 250 m, 500 m, 1000 m and 2000 m – corresponding with 
distances either recommended for landscape analyses of 
biodiversity in urban ponds (Oertli and Parris 2019) or used 
in previous studies of amphibian populations in the greater 
Melbourne area (Hamer and Parris 2011; Heard et al. 2012). 
All GIS calculations were performed using QGIS v3.4.9 
(QGIS Geographic Information System 2020). Main roads, 
highways and railways, and urban land cover were mapped 
using OpenStreetMap (© OpenStreetMap contributors).

Local habitat variables

Any assessment of amphibian distribution in urban areas 
should also consider habitat quality at local pond scales 
(Hamer and McDonnell 2008). Accordingly, local habitat  
variables were measured at ponds and included vari-
ables previously examined in amphibian research in the 
study area (Hamer and Parris 2011; Parris 2006). The 
proportion of the pond surface area covered by aquatic 
vegetation (i.e., emergent, submerged and floating veg-
etation; Aqveg) was recorded to measure vegetation 
availability and complexity. Emergent and submerged 
vegetation extended above or below the water surface,  
respectively, while floating vegetation included surface algae 
and macrophytes with free-floating roots or roots attached  
to the pond substrate. Predation by fish and hydroperiod can  
be strong drivers in structuring amphibian communities in 
ponds (Snodgrass et al. 2000). The predatory, non-native  
eastern mosquitofish (Gambusia holbrooki; hereafter Gam-
busia) eats the eggs and larvae of several Australian frog 
species (Pyke and White 2000). A previous investigation of 
breeding distribution in the study area found a negative rela-
tionship between the occurrence and abundance of tree frog  
(Litoria spp.) larvae and Gambusia, while there were posi-
tive associations with aquatic vegetation cover and ephem-
erality (Hamer and Parris 2013). The presence of Gambusia 
at a pond was determined during aquatic surveys conducted 
the morning after the frog surveys (see Hamer and Parris 
2011). Hydroperiod (Permanence) was recorded at ponds 
throughout the study: ponds that were not observed to dry 
out were scored as permanent (1), whereas ponds that were 
dry during at least one site visit were scored as ephemeral 
(0). Pond surface area (Area) was measured at the high-
water mark using GIS. Pond water electrical conductivity 
(EC; µS  cm−1) was measured in 200-ml water samples col-
lected from four equidistant points around the pond perim-
eter, ~ 1 m from the shoreline and at a depth of ~ 10 cm using 
a handheld electronic meter (Tracer Pocketester, LaMotte 
Company, Chestertown, Maryland, USA). The presence of 
a vertical pond wall (V_wall) was noted at sites, defined as  
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a continuous (unbroken) vertical drop (~ 20–30 cm high) 
from the pond bank to the surface of the water, and usually 
constructed of concrete, stone or wood (Parris 2006). Some 
ponds had banks that were partly comprised of a vertical 
wall but the remainder was sloping; accordingly, these sites 
were not scored as having a (continuous) vertical pond wall. 
Vertical pond walls are likely to make a pond unsuitable for 
breeding by many ground-dwelling frogs that cannot climb 
steep surfaces; however, tree frogs are usually proficient at 
climbing vertical slopes. Hence, upon metamorphosis their 
offspring can climb out of the pond, whereas the meta-
morphs of ground-dwelling frogs cannot climb and may 
drown (Parris 2006).

Multi‑species occupancy modelling

I used a community-level hierarchical modelling approach 
(i.e., multi-species occupancy modelling) to estimate the 
community-level and species-specific responses to the two 
landscape covariates, each measured at four different radii 
around a pond (ACC_GREEN, GREEN), and the six local 
habitat covariates (Aqveg, Area, Gambusia, Permanence, 
EC, V_wall). Using Bayesian inference, hierarchical com-
munity models estimate community-level parameters by 
estimating species-specific probabilities of occupancy and 
detection (Dorazio and Royle 2005; Dorazio et al. 2006). 
Crucially, multi-species occupancy models (MSOM) 
address the issue of imperfect species detection that often 
bias conventional statistics used to analyse community 
occurrence data by linking metacommunity structure to 
underlying environmental gradients (Mihaljevic et al. 2015). 
Occupancy models for individual species are linked together 
into a hierarchical model so that collectively they provide 
estimates of community-level responses to environmen-
tal covariates, which increases the precision of parameter 
estimates for infrequently-observed species (Dorazio et al. 
2006; Kéry and Royle 2008). Data from species frequently 
detected at sites is shared across the community to improve 
the predictive ability of parameter estimates for rare species, 
which results in the mean estimates of data-poor species 
being drawn towards group averages (Link 1999).

The structure of the MSOM followed the methods of 
(Dorazio et al. 2006), where the first level of hierarchy is 
based on an occupancy sub-model that assumed a true (but 
only partially observed) presence–absence matrix zi,j for spe-
cies i = 1, 2,..., N at site j = 1, 2,..., J, where zi,j = 1 if species i 
was present at site j, and zi,j = 0 if the species was absent, and 
where zi,j ~ Bern(Ψi,j), and Ψi,j is the probability that species 
i occurs at site j. Because the state variable zi,j is usually not 
known with certainty, detection data xi,j,k is observed for 
species i at site j during sampling period k, which are also 
assumed to be Bernoulli random variables if species i is 
present. Thus, the data provided a three dimensional matrix 

xi,j,k for species i at site j for the kth sampling occasion. The 
second level of the model hierarchy was based on an obser-
vation sub-model, which specified that xi,j,k ~ Bern(θi,j,k × zi,j) 
where zi,j is the true occurrence matrix described above, and 
θi,j,k is the probability of detection for species i at site j for 
the kth sampling occasion. When species i was not present, 
detection was fixed to zero because zi,j = 0.

A series of MSOM were constructed of different covari-
ates to examine relationships between accessible greens-
pace at multiple spatial scales and frog occupancy. Initially, 
intercorrelations were assessed among the landscape- and 
local-scale covariates using Pearson correlation coefficients 
(r) for pairwise comparisons of continuous variables, and 
Spearman rank correlation coefficients for binary vari-
ables (rs; ESM Table S1). Given the strong intercorrela-
tions among landscape covariates (r > 0.4), each MSOM 
was limited to one landscape covariate. There was a strong 
correlation between pond area and the presence of Gambu-
sia (rs = 0.609) and so each were not included in the same 
models. The proportion cover of aquatic vegetation was 
strongly correlated with all eight landscape covariates and 
was excluded from the landscape-scale models (Table S1). 
However, two models were run that included only local-
scale covariates: Aqveg, V_wall, EC and either Area or 
Gambusia, to assess whether aquatic vegetation was more 
important than the landscape covariates. Pond permanence 
was strongly correlated with aquatic vegetation (rs = −0.404; 
Table S1) and so was not included in the local-scale covari-
ate models. Given these constraints, a final set of 16 land-
scape models was examined, each containing one landscape 
covariate and four local-scale covariates, plus two models 
containing only local-scale covariates (Table 1). A categori-
cal cluster term (Cluster) was added as a random effect in 
each model to account for spatial autocorrelation in pond 
occupancy because some ponds were within dispersal 
distance of their neighbouring ponds (Parris 2006). Spa-
tial autocorrelation in wildlife observation data can result 
in biased estimation of model coefficients and diminished 
predictive performance (Wintle and Bardos 2006). Ponds 
were assigned into 22 spatial clusters (see “Frog surveys”). 
Each model had a maximum of five explanatory variables 
to eliminate the risk of overparameterisation that can result 
in inaccurate estimates of model coefficients (Harrison et al. 
2018).

Three survey-specific covariates were also included 
in models to jointly estimate the probability of detection: 
number of days since 1 September (Days) separately for 
each survey year to account for variation in species detec-
tion since the start of the field surveys and corresponding 
to the beginning of the activity season for spring-breeding 
frogs; air temperature (Temp); survey year (Year: 1 = spring/
summer 2007 – autumn 2008; 2 = spring/summer 2008). I 
assumed that the frog metacommunity would be closed over 

397Urban Ecosystems (2022) 25:393–409



1 3

the two years during the study (i.e., no local colonisation or 
extinction), but added a year effect to account for potential 
differences in frog detection between Years 1 and 2. Survey 
date and air temperature influence the probabilities of detec-
tion for several frog species in the greater Melbourne area 
(Canessa et al. 2012).

Pond area and EC were  log10(x)-transformed prior to 
analysis. Continuous covariates were standardised to have a 
mean = 0 and SD = 1. Standardised covariates allowed direct 
comparison of model coefficients so that the relative impor-
tance of each covariate could be determined according to the 
magnitude of the coefficient (Schielzeth 2010). Missing val-
ues of survey-specific covariates were replaced by the mean.

In the community-level of the hierarchical model, the 
species-specific parameters were linked to the broader 
metacommunity by estimating hyper-parameters (µ) that 
treated species-level parameters as random effects drawn 
from a normal distribution (Zipkin et al. 2009). For example, 
α1i ~ N(µα1, σα1) where α1i is the probability of occupancy 
for species i in response to site-specific covariate 1, µα1 is 
the mean community response (across species) to covariate 
1, and σα1 is the standard deviation in α1 among species. 
Species’ responses in the metacommunity were assumed to 

be drawn from a common distribution where the species 
assessed have similar ecological requirements, and hence, 
species would have similar ecological responses to the envi-
ronmental covariates (Pacifici et al. 2014).

Model parameters and community summaries were 
estimated using Bayesian inference with priors for the 
hyper-parameters drawn from a normal distribution (N[0, 
2.25]) and uniform priors for the standard deviation of 
the estimates (U[0, 5]) (Guillera-Arroita et al. 2019). The 
cluster term was modelled using a uniform prior (U[0, 
10]). I calculated the mean, standard deviation, and the 
 10th and  90th percentiles of the posterior distribution of 
the model coefficients, which represents a 90% Bayes-
ian credible interval (BCI). I used a 90% BCI rather than 
95% BCI given the inherently high variability in mean 
responses of animal communities to environmental covari-
ates (Zipkin et al. 2009), which might otherwise obscure 
important relationships. Parameter estimates of covariates 
with a 90% BCI that did not overlap zero were consid-
ered to be clearly important, whereas estimates with a 
BCI overlapping zero had greater uncertainty. However, 
parameter estimates with ≥ 0.95 of the posterior distribu-
tion mass on one side of zero (either positive or negative)  

Table 1  Widely Applicable 
Information Criterion (WAIC) 
values for 18 multi-species 
occupancy models of frog 
communities in greater 
Melbourne, Australia

Best-ranked models (ΔWAIC < 2) are shown in bold
Cluster spatial cluster, GREEN proportion cover of total greenspace within radii of 250 m, 500 m, 1000 m 
and 2000 m around a pond margin, ACC_GREEN proportion cover of accessible greenspace within radii 
of 250 m, 500 m, 1000 m and 2000 m, Gambusia presence (1) or absence (0) of the eastern mosquitofish 
(Gambusia holbrooki), Area pond surface area, Perm pond permanence (1) or ephemerality (0), V_wall 
presence (1) or absence (0) of a vertical pond wall, EC electrical conductivity of pond water, Aqveg propor-
tion cover of aquatic vegetation
a ΔWAIC = WAIC – minimum (WAIC)

Model Variables WAIC ΔWAICa

1 intercept Cluster GREEN_1000 Gambusia Perm V_wall EC 3052.5 0.0
2 intercept Cluster GREEN_2000 Gambusia Perm V_wall EC 3054.0 1.5
3 intercept Cluster ACC_GREEN_500 Gambusia Perm V_wall EC 3097.2 44.7
4 intercept Cluster ACC_GREEN_2000 Gambusia Perm V_wall EC 3099.5 47.0
5 intercept Cluster GREEN_500 Gambusia Perm V_wall EC 3107.7 55.2
6 intercept Cluster GREEN_250 Gambusia Perm V_wall EC 3111.6 59.1
7 intercept Cluster ACC_GREEN_1000 Gambusia Perm V_wall EC 3116.6 64.1
8 intercept Cluster ACC_GREEN_250 Gambusia Perm V_wall EC 3155.4 102.9
9 intercept Cluster GREEN_2000 Area Perm V_wall EC 3174.5 122.0
10 intercept Cluster GREEN_1000 Area Perm V_wall EC 3190.1 137.6
11 intercept Cluster ACC_GREEN_250 Area Perm V_wall EC 3190.3 137.8
12 intercept Cluster ACC_GREEN_2000 Area Perm V_wall EC 3211.1 158.6
13 intercept Cluster GREEN_500 Area Perm V_wall EC 3220.9 168.4
14 intercept Cluster ACC_GREEN_500 Area Perm V_wall EC 3223.4 170.9
15 intercept Cluster ACC_GREEN_1000 Area Perm V_wall EC 3241.7 189.3
16 intercept Cluster GREEN_250 Area Perm V_wall EC 3291.1 238.6
17 intercept Cluster Aqveg Area - V_wall EC 3869.9 817.4
18 intercept Cluster Aqveg Gambusia - V_wall EC 4111.1 1058.6
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were also considered to be strongly influential. The prob-
ability of occupancy and detection were derived for both 
community-level and species-specific summaries using the 
log transformation: exp(α)/(1 + exp[α]).

Modelling was performed using the software program 
JAGS (version 4.3.0, Plummer 2013) called via the R2jags 
package (Su and Yajima 2015) from program R (version 
3.6.1, R Core Team 2019). Each model was run using three 
replicate Markov chain Monte Carlo (MCMC) iterations 
to generate 100,000 samples from the posterior distribu-
tion of each model after discarding a ‘burn-in’ of 50,000 
samples and a thinning rate of 5. The Gelman-Rubin sta-
tistics indicated there was acceptable convergence for all 
estimated parameters (i.e., R̂ <1.05; Brooks and Gelman 
1998; Gelman and Rubin 1992).

The 16 competing models of accessible greenspace 
versus total greenspace at each spatial scale, plus two 
local-scale covariate models, were ranked according to 
the relative fit of each model to the data, using the Widely 
Applicable Information Criterion (WAIC; Watanabe 
2010). The WAIC is a fully Bayesian approach for esti-
mating the computed log pointwise posterior predictive 
density of a model, which adds a correction for the effec-
tive number of parameters to adjust for model overfitting 
(Gelman et al. 2014). Similar to recommended rankings of 
the Akaike Information Criterion (AIC), the best-ranked 
models were considered to be those with a ΔWAIC < 2 
(ΔWAIC = WAIC – minimum[WAIC]), while models with 
a ΔWAIC > 10 have essentially no support (Anderson 
2008). Bayesian p-values were used to assess model fit 
and were calculated using the Freeman‐Tukey fit statistic 
(see Stolen et al. 2019). Bayesian p-values close to 0.5 
indicate acceptable model fit (Gelman et al. 1996).

Results

Frog detections

A total of 10 frog species were detected (mean: 1.5 spe-
cies  site–1; SD: 1.5; range: 0 – 6), representing three taxo-
nomic families (Limnodynastidae and Myobatrachidae: 
ground frogs; Pelodryadidae: tree frogs). The most fre-
quently detected species was the southern brown tree frog 
(Litoria ewingii; naïve occupancy rate = 0.62), followed by 
the common eastern froglet (Crinia signifera; 0.31) and the 
striped marsh frog (Limnodynastes peronii; 0.23), whereas 
Peron’s tree frog (Lit. peronii) and the growling grass frog 
(Lit. raniformis) were detected at only one site (naïve occu-
pancy rate = 0.02). A further three species were detected 
at < 5 sites: Victorian smooth froglet (Geocrinia victori-
ana), spotted grass frog (Lim. tasmaniensis) and Haswell’s 
froglet (Paracrinia haswelli). The remaining two species 
(southern bullfrog Lim. dumerilii and whistling tree frog Lit. 
verreauxii) were detected at nine and six sites, respectively 
(naïve occupancy rates: 0.14, 0.09). All species detected 
are native and have aquatic-developing larvae. Geocrinia 
victoriana deposits eggs in moist terrestrial microhabitats 
whereas the other species oviposit directly in water.

The mean estimated number of frog species (species rich-
ness) at a site was 2.5 (0.2 – 7.2) which is slightly higher 
than the naïve mean species richness. The mean probabil-
ity of occupancy across all species was 0.311 (90% BCI: 
0.175–0.494), whereas the mean probability of detection was 
0.293 (90% BCI: 0.184–0.433). Mean estimated probabili-
ties of occupancy varied markedly among the 10 frog species 
detected, ranging from 0.024 (90% BCI: 0.002–0.220) for 
Lit. peronii to 0.721 (0.421–0.913) for Lit. ewingii (Table 2). 

Table 2  Summary of model-
estimated occupancy and 
detection probabilities for 10 
frog species from three families 
detected in greater Melbourne, 
Australia

Estimates were extracted from Model 1 (see Table 1)
Estimates include 90% Bayesian credible intervals (BCI)

Species Occupancy 90% BCI Detection 90% BCI

LIMNODYNASTIDAE
Limnodynastes dumerilii 0.258 0.082–0.592 0.153 0.056–0.336
Lim. peronii 0.202 0.071–0.446 0.287 0.151–0.467
Lim. tasmaniensis 0.058 0.009–0.313 0.175 0.038–0.485
MYOBATRACHIDAE
Crinia signifera 0.390 0.142–0.712 0.167 0.066–0.347
Geocrinia victoriana 0.103 0.011–0.529 0.143 0.026–0.441
Paracrinia haswelli 0.047 0.005–0.290 0.120 0.022–0.392
PELODRYADIDAE
Litoria ewingii 0.721 0.421–0.913 0.514 0.360–0.668
Lit. peronii 0.024 0.002–0.220 0.201 0.044–0.527
Lit. raniformis 0.141 0.007–0.815 0.085 0.011–0.361
Lit. verreauxii 0.052 0.013–0.170 0.413 0.184–0.702
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Mean estimated probabilities of detection were also highly 
variable, ranging from 0.085 (90% BCI: 0.011–0.361) 
for Lit. raniformis to 0.514 (0.360–0.668) for Lit. ewingii 
(Table 2).

Accessible greenspace

The barriers selected for delineating accessible greens-
pace substantially reduced the total amount of greenspace 
around ponds that could potentially be accessed via move-
ment. There was a steeper decline in accessible greenspace 
area as buffer radii increased compared to the area of total 
greenspace. For example, there was a 77% decrease in the 
mean area of accessible greenspace from a 250-m to 2000-m 
radius around a pond, compared to a 60% decrease in total 
greenspace, while the mean area of accessible greenspace 
at a 2000-m radius was only 53% of the mean area of total 
greenspace (ESM Table S2).

Model inference and fit

The best-supported model included the proportion of total 
greenspace within a 1000-m radius of a pond, Gambusia, 
pond permanence, presence of a vertical pond wall and elec-
trical conductivity (Model 1, WAIC = 3052.5; Table 1). There 
was also strong support for a model that included the propor-
tion of total greenspace within 2000 m of a pond and the same 
local-scale variables (Model 2, WAIC = 3054.0; Table 1). 
There was no support for the remaining 14 landscape-scale 
covariate models (ΔWAIC > 10), including models containing 
the proportion cover of accessible greenspace (Table 1). There 
was no support for the two local-scale covariate models con-
taining the proportion cover of aquatic vegetation (Table 1). 
Bayesian p-values for Models 1 and 2 indicated acceptable 
model fit (Model 1: p = 0.126; Model 2: p = 0.133). Model 1 
was subsequently used to derive parameter estimates of occu-
pancy and detection.

Community‑level summary

There was a positive relationship between the mean esti-
mated probability of occupancy across all frog species and 
the proportion cover of total greenspace within 1000 m of 
a pond (μα1; Table 3). However, the 90% BCI overlapped 
zero, indicating there was uncertainty associated with this 
estimate. Mean occupancy was predicted to increase from 
0.251 at sites with no greenspace within 1000 m, to 0.507 at 
sites surrounded by 100% greenspace (Fig. 2). The standard 
deviation of the mean probability of occupancy was rela-
tively low (σα1 = 1.025; Table 3), indicating there were con-
sistently positive responses to total greenspace across the 
frog communities.

There was a relatively strong negative relationship 
between the mean occupancy across all frog species and the 
presence of a vertical pond wall at a site (μα4; Table 3). Mean 
occupancy was predicted to decrease from 0.323 (90% BCI: 
0.175–0.494) at sites without a vertical pond wall, to 0.175 
(0.067–0.317) at sites with a vertical pond wall. The stand-
ard deviation of the mean probability of occupancy was rela-
tively high (σα4 = 3.335; Table 3) indicating that species had 
variable responses to the presence of a vertical pond wall.

There were no clear relationships between the mean 
probability of community occupancy and the presence of 
Gambusia, pond permanence or electrical conductivity, 
with 90% BCIs of all parameter estimates overlapping zero 
broadly (Table 3). However, the presence of Gambusia was 
included in the best-ranked models rather than pond area 

Table 3  Summary of hyper-parameters for occupancy (α) and detec-
tion (β) covariates across 10 frog species detected in greater Mel-
bourne, Australia

Hyper-parameter estimates were extracted from Model 1
Estimates include 90% Bayesian credible intervals (BCI)
Estimates in bold indicate clear relationships (90% BCI does not 
overlap zero), or strongly influential relationships (≥ 0.95 of the pos-
terior mass of the mean estimate is above or below zero)
See Table 1 for an explanation of occupancy covariates
 μ mean community response, σ standard deviation in the response to 
the covariate across species, SD standard deviation
Days = number of days since 1 September; Temp = air temperature; 
Year = survey year (spring/summer 2007 – autumn 2008 = 1; spring/
summer 2008 = 2)

Community-level  
hyper-parameter

Mean SD 90% BCI

μα0 intercept –0.797 0.598 –1.550 –0.022
σα0 intercept 2.445 1.007 1.229 3.931
μα1 GREEN_1000 0.316 0.457 –0.268 0.883
σα1 GREEN_1000 1.025 0.803 0.213 2.080
μα2 Gambusia 0.036 0.490 –0.586 0.658
σα2 Gambusia 1.127 0.832 0.224 2.221
μα3 Perm –0.132 0.441 –0.692 0.425
σα3 Perm 0.598 0.551 0.081 1.294
μα4 V_wall –0.751 0.617 –1.540 0.044
σα4 V_wall 3.335 1.043 1.863 4.691
μα5 EC 0.042 0.285 –0.311 0.399
σα5 EC 0.343 0.340 0.043 0.752
μβ0 intercept –0.882 0.486 –1.492 –0.270
σβ0 intercept 1.462 0.822 0.549 2.567
μβ1 Days –0.212 0.353 –0.691 0.171
σβ1 Days 0.681 0.667 0.085 1.563
μβ2 Temp 0.213 0.178 0.004 0.410
σβ2 Temp 0.291 0.280 0.040 0.628
μβ3 Year 0.096 0.348 –0.359 0.510
σβ3 Year 0.832 0.527 0.241 1.499
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(Table 1), indicating that Gambusia had a greater influence 
on occupancy.

There was strong evidence of positive and negative spatial 
autocorrelation at each of two site clusters (ESM Fig. S1).

Species‑specific summary

There were clear or influential positive relationships between 
the estimated probability of occupancy of Crinia signifera, 
Lit. ewingii and Paracrinia haswelli and the proportion 
cover of total greenspace within 1000 m (Table 4; Fig. 3). 
The predicted increase in occupancy was greatest for C. sig-
nifera where the mean was predicted to increase from 0.173 
at sites with no greenspace within 1000 m, to 0.792 at sites 
surrounded by 100% greenspace (Fig. 3).

There were clear or influential negative relationships 
between the estimated probability of occupancy of C. sig-
nifera, Lim. dumerilii, Lim. tasmaniensis, Lit. peronii, Lit. 
verreauxii and Paracrinia haswelli and the presence of a 
vertical pond wall (Table 4). However, there was a strong 
positive relationship between pond occupancy by Lit. 
ewingii and a vertical pond wall (Table 4). Mean occupancy 
of C. signifera was predicted to decrease from 0.410 (90% 
BCI: 0.142–0.712) at sites without a vertical pond wall, 
to 0.019 (0.000–0.050) at sites with a vertical pond wall, 
whereas occupancy by Lit. ewingii increased from 0.681 
(0.421–0.913) at sites with no vertical pond wall, to 0.877 
(0.730–0.981) at sites with a vertical pond wall (Fig. 4). Lim-
nodynastes peronii and Lit. ewingii were the only species 
detected at sites with a vertical pond wall.

There were mixed and ambiguous relationships between 
species-specific probabilities of occupancy and the presence 

of Gambusia, pond permanence and electrical conductivity 
(Table 4).

Detection probabilities

There was a clear positive relationship between the mean 
probability of detection across the community and air tem-
perature (μβ2; Table 3), and clear relationships were evident  
for Lim. dumerilii, Lim. peronii, Lit. ewingii and P. haswelli 
(ESM Table S3). There was no clear relationship between 
mean community-level detection and either the number of 
days since 1 September (μβ1) or survey year (μβ3; Table 3). 
The only clear relationship between individual species  
detection and Year was evident for C. signifera, where 
detection was clearly higher in the second survey year  
(Table S3) when surveys commenced earlier in spring.

Discussion

I predicted there would be an important relationship between 
accessible greenspace and frog occupancy in an urban land-
scape, where accessible greenspace was a measure of the 
combined effects of habitat availability (i.e., total greens-
pace) and linear barriers (e.g., roads) on species occupancy. 
However, I found that the proportion cover of total greens-
pace measured at distances of 1000 and 2000 m from the 
pond margin was a better predictor of frog occupancy than 
accessible greenspace, suggesting that some species may 
be crossing the urban matrix and roads more successfully 
than initially predicted. There was a positive relationship 
between the cover of total greenspace and mean occupancy, 
highlighting the need for both landscape connectivity and 
terrestrial habitat to maintain amphibian communities. At 
the local (pond) scale, there was a strong negative relation-
ship between the presence of a vertical pond wall at a site 
and mean community occupancy. The results concur with 
recent empirical studies highlighting the importance of 
urban greenspace for biodiversity in cities (Beninde et al. 
2015).

The proportion cover of total greenspace was a better pre-
dictor of frog occupancy than accessible greenspace. While 
accessible habitat, or occupancy within barrier-based buffers, 
has been previously measured by assuming that highways 
and rivers are insurmountable barriers to the movement of 
amphibians (Eigenbrod et al. 2008; Hamer 2016; Zanini et al. 
2008), here I assumed that main roads, railways and dense 
urban land also comprised an inhospitable matrix unsuitable 
for dispersal, thereby measuring accessible habitat at a finer 
spatial scale. The results therefore suggest that some species 
are successfully crossing the urban matrix and linear infra-
structure, which is plausible given that connectivity of local 
amphibian populations in heterogeneous landscapes is less 
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Fig. 2  Predicted relationship between the community mean probabil-
ity of occupancy of 10 frog species and the proportion cover of total 
greenspace within a 1000-m radius of a pond (shaded area is the 90% 
Bayesian credible interval)
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Table 4  Summary of species-
specific estimates of occupancy 
(α) covariates for 10 frog 
species detected in greater 
Melbourne, Australia

Species Model parameters Mean SD 90% BCI

Crinia signifera α0 Intercept  −0.448 1.113  −1.799 0.904
α1 GREEN_1000 1.208 1.008 0.144 2.505
α2 Gambusia 0.776 1.084  −0.380 2.174
α3 Perm  −0.030 0.679  −0.813 0.786
α4 V_walla  −5.163 2.324  −8.239  −2.546
α5 EC 0.101 0.348  −0.312 0.536

Geocrinia victoriana α0 Intercept  −2.161 1.946  −4.489 0.114
α1 GREEN_1000 0.810 1.148  −0.305 2.143
α2 Gambusia  −0.439 1.436  −2.130 0.952
α3 Perm  −0.519 1.042  −1.707 0.457
α4 V_walla  −2.445 2.909  −6.178 0.852
α5 EC 0.090 0.505  −0.428 0.647

Limnodynastes dumerilii α0 Intercept  −1.056 1.156  −2.421 0.374
α1 GREEN_1000 0.187 0.625  −0.573 0.931
α2 Gambusia  −0.007 0.958  −1.133 1.099
α3 Perm  −0.134 0.695  −0.939 0.665
α4 V_walla  −4.320 2.402  −7.526  −1.621
α5 EC 0.105 0.388  −0.337 0.577

Lim. peronii α0 Intercept  −1.374 0.994  −2.575  −0.216
α1 GREEN_1000 0.050 0.651  −0.695 0.739
α2 Gambusia 0.445 0.791  −0.479 1.472
α3 Perm  −0.067 0.615  −0.790 0.680
α4 V_wall  −0.875 1.017  −2.166 0.406
α5 EC  −0.079 0.349  −0.511 0.334

Lim. tasmaniensis α0 Intercept  −2.783 1.626  −4.756  −0.788
α1 GREEN_1000 0.711 1.220  −0.418 2.085
α2 Gambusia  −0.116 1.069  −1.399 1.082
α3 Perm 0.059 0.800  −0.800 0.986
α4 V_walla  −3.174 2.603  −6.593  −0.275
α5 EC 0.134 0.487  −0.367 0.679

Litoria ewingii α0 Intercept 0.951 1.089  −0.318 2.354
α1 GREEN_1000 0.778 0.729  −0.054 1.708
α2 Gambusia  −0.788 0.931  −2.004 0.270
α3 Perm  −0.206 0.659  −0.995 0.560
α4 V_wall 1.442 0.956 0.263 2.674
α5 EC  −0.073 0.330  −0.486 0.324

Lit. peronii α0 Intercept  −3.722 2.087  −6.227  −1.267
α1 GREEN_1000  −0.578 1.195  −2.105 0.649
α2 Gambusia 0.213 1.216  −1.099 1.609
α3 Perm  −0.174 0.823  −1.067 0.715
α4 V_walla  −2.873 2.728  −6.462 0.195
α5 EC  −0.037 0.472  −0.555 0.468

Lit. raniformis α0 Intercept  −1.806 2.676  −4.979 1.485
α1 GREEN_1000  −0.328 1.318  −1.911 0.933
α2 Gambusia 0.414 1.392  −0.971 2.030
α3 Perm  −0.076 0.853  −0.981 0.845
α4 V_walla  −2.533 3.040  −6.358 0.897
α5 EC 0.270 0.603  −0.297 0.957

Lit. verreauxii α0 Intercept  −2.912 1.136  −4.348  −1.584
α1 GREEN_1000 0.197 0.611  −0.551 0.926
α2 Gambusia 0.568 0.968  −0.514 1.842
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affected by landscape resistance than previously expected 
(Sinsch 2014). For instance, Limnodynastes peronii showed 
a neutral response to the proportion cover of total greenspace 
and this species adapts well to human-modified environments 
(Schell and Burgin 2003). Conversely, there were two ground 
frog species (Crinia signifera and Paracrinia haswelli) that 
had clearly positive relationships with total greenspace – both 
species were only detected at sites surrounded by large, con-
tiguous fragments of remnant woodland, mainly in rural 
settings. Both species are relatively small-bodied frogs 
(30–35 mm; Cogger 2014) with presumably limited powers 
of dispersal (< 500 m) and dependent on terrestrial habitat 
surrounding ponds (Lauck 2005; Westgate et al. 2012), and 
thus would be particularly sensitive to habitat fragmentation 

and road effects (Rytwinski and Fahrig 2012). Tree frog spe-
cies such as Litoria ewingii that were also strongly related to 
greenspace, can climb over small vertical barriers, and hence, 
are better adapted to disperse among fragmented patches of 
greenspace in inner city parks and gardens (i.e., urban adapt-
ers; McKinney 2002). Thus, interspecific differences in life 
history-traits and dispersal behaviour are likely to produce 
distinct patterns in occupancy of amphibian species along 
urban–rural gradients (Rubbo and Kiesecker 2005).

Empirical studies investigating the relative resistance 
to gene flow of land cover types and barriers have found 
that urban habitats are generally more resistant than forest 
cover, and highways can be 7–8 times more resistant than 
secondary roads (Van Buskirk 2012). However, urban areas, 

Parameter estimates were extracted from Model 1
Estimates include 90% Bayesian credible intervals (BCI:  10th and  90th percentiles)
Estimates in bold indicate clear relationships (90% BCI does not overlap zero), or strongly influential rela-
tionships (≥ 0.95 of the posterior mass of the mean estimate is above or below zero)
See Table 1 for an explanation of occupancy covariates
SD standard deviation
a species was never detected at a site with a vertical pond wall

Table 4  (continued) Species Model parameters Mean SD 90% BCI

α3 Perm  −0.177 0.630  −0.945 0.572
α4 V_walla  −3.494 2.463  −6.764  −0.753
α5 EC 0.064 0.369  −0.371 0.518

Paracrinia haswelli α0 Intercept  −3.006 1.812  −5.247  −0.895
α1 GREEN_1000 1.125 1.108 0.010 2.482
α2 Gambusia  −0.575 1.370  −2.247 0.788
α3 Perm  −0.208 0.776  −1.092 0.639
α4 V_walla  −2.794 2.714  −6.353 0.265
α5 EC  −0.121 0.521  −0.701 0.400

Fig. 3  Predicted relationships 
between the species-specific 
estimates of the probability of 
occupancy of 10 frog species 
and the proportion cover of total 
greenspace within a 1000-m 
radius of a pond. Credible 
intervals are omitted for clarity. 
Species codes: Crisig = Crinia 
signifera; Geovic = Geocrinia 
victoriana; Limdum = Limnody-
nastes dumerilii; Limper = Lim. 
peronii; Limtas = Lim. 
tasmaniensis; Litewi = Lito-
ria ewingii; Litper = Lit. 
peronii; Litran = Lit. raniformis; 
Litver = Litoria verreauxii; 
Parhas = Paracrinia haswelli 
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highways and railways are not entirely resistant to amphib-
ian movement as has been assumed in previous studies of 
landscape resistance that assigned resistance costs based on 
empirical data and literature (Ray et al. 2002; Safner et al. 
2011). For instance, while studies have reported genetic 
differentiation of amphibian populations within urban land-
scapes (Hale et al. 2013; Noël et al. 2007; Wei et al. 2021), 
there are also studies that demonstrated a low degree of dif-
ferentiation among populations in urbanised areas (Furman 
et al. 2016) or no direct connection between urbanisation 
or roads and genetic diversity, implying there is gene flow 
occurring across the fragmented landscape (Homola et al. 
2019). Based on occupancy patterns, my study suggests 
that urban land and roads are not entirely impermeable to 
amphibian dispersal, but likely act as filters where some spe-
cies are better adapted to move across different land cover 
types. Rivers are the most important natural element nega-
tively affecting connectivity for amphibians (Covarrubias 
et al. 2021), and so it is likely that the Yarra River represents 
a significant dispersal barrier in the study area. Interspecific 
differences in movement patterns and life-history attributes 
are likely to result in unique spatial patterns of genetic struc-
turing across the study landscape (Richardson 2012), and 
further investigations into the relative resistance of differ-
ent land cover types for amphibian movement in the study 
area should include genetic sampling. Further studies into 
accessible habitat in the study area might also find a stronger 
relationship if only major barriers to amphibian movement 
are included (e.g., highways and freeways).

The results of this study corroborate the spatial scale used 
in a previous analysis of species richness of frog communi-
ties in the study area, reporting a strong positive relation-
ship between the proportion cover of greenspace measured 
within a 1000-m radius around a pond and the number of 
species whose larvae were detected at a site (Hamer and 
Parris 2011). I found that an increase in the proportion 
of greenspace at distances of 1000 – 2000 m from a pond 
increases the probability of occupancy at both the com-
munity and species-specific levels and demonstrates that 
mass-effects are shaping metacommunity structure in the 
study area; i.e., immigration and emigration are likely to 
create differences in population size (or density) in different 
habitat patches (Leibold et al. 2004). Even relatively small-
sized frog species (e.g., Paracrinia haswelli) may depend 
on connectivity to greenspace and terrestrial habitat up to 
1000 m from ponds (Villaseñor et al. 2017). Greenspace 
around ponds may facilitate amphibian movement because 
these ponds have greater landscape connectivity to both ter-
restrial and aquatic habitats, which is necessary to maintain 
species metapopulations (Semlitsch 2002). For example, 
there was a strong correlation between the proportion of 
greenspace and the number of neighbouring ponds within a 
1000-m radius around a site (r = 0.560). Thus, the number 
of neighbouring ponds is likely to increase around ponds 
with more greenspace, thereby increasing the probability of 
recolonisation should local extinction occur (Parris 2018). 
Moreover, there was positive spatial autocorrelation among 
17 ponds distributed throughout a large contiguous patch of 

Fig. 4  Mean community and 
species-specific estimates of the 
probability of occupancy of 10 
frog species according to the 
presence of a vertical pond wall 
at a site. Vertical bars are 90% 
Bayesian credible intervals. See 
Fig. 3 for species codes
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remnant woodland on the urban fringe, suggesting there is 
movement of species between ponds because the probability 
of occupancy depended on species occupancy at neighbour-
ing ponds. Terrestrial habitats provide foraging and shelter 
habitats that are critical for the local persistence of amphib-
ian populations (Pope et al. 2000; Semlitsch 2002), and 
terrestrial habitats provide egg-laying sites for Geocrinia 
victoriana (Cogger 2014), one of three species which only 
occurred in remnant woodland. Indeed, the distribution of 
some pond-breeding amphibians is more strongly related to 
landscape matrix quality than to wetland availability, prob-
ably because species require access to terrestrial habitats 
(Quesnelle et al. 2015).

The species-sorting perspective of metacommunity 
theory emphasises the importance of habitat quality in 
structuring species assemblages within metacommunities 
(Leibold et al. 2004). There was a strong negative rela-
tionship between community- and species-level occupancy 
and the presence of a vertical pond wall at a site. Previous 
studies of frog metacommunities in the study area have 
demonstrated a strong negative relationship between spe-
cies richness and vertical pond walls (Parris 2006, 2018), 
corroborating the results of multi-species occupancy mod-
elling in this study. The only frog species usually capable 
of occupancy at these ponds are tree frogs that can climb 
(e.g., Lit. ewingii); however, there were two tree frog spe-
cies that had negative relationships with a vertical pond 
wall – Lit. peronii and Lit. verreauxii – but both species 
have historical distributions that do not overlap with the 
inner area of Melbourne where these ornamental pond 
types were located (Hamer 2011). It is therefore apparent 
that the presence of a vertical pond wall excludes many 
frog species (e.g., Crinia signifera, Lim. dumerilii) from 
occupying ponds in the study area; thus, the physical struc-
ture of ponds is likely to be an important filter of species 
assemblages in urban landscapes (Holzer et al. 2017).

There was a strong correlation between the proportion 
cover of greenspace within 1000 m of a pond and the propor-
tion cover of aquatic vegetation (r = 0.519; ESM Table S1); 
however, there was no support for two local-scale models con-
taining aquatic vegetation (Table 1), although this may be due 
to the reduced number of variables in the models. Nonethe-
less, aquatic vegetation provides crucial habitat complexity 
as shelter and foraging habitat for both frogs and tadpoles in 
the study area (Hamer and Parris 2011; Parris 2018), which 
may reduce the impact of fish predation on larvae (Hamer 
and Parris 2013). Despite the presence of Gambusia at a pond 
outranking pond area as a covariate in the MSOM, there were 
ambiguous relationships between Gambusia and the probabil-
ity of occupancy, mirroring correlates of frog species rich-
ness in the study area (Hamer and Parris 2011). Similarly, 
there were ambiguous relationships between occupancy and 
pond permanence, although the lack of a relationship with 

hydroperiod might be due to a sampling bias towards perma-
nent ponds (Hamer and Parris 2011). While increased water 
conductivity is generally associated with decreased species 
richness in the study area (Hamer and Parris 2011), there were 
no clear relationships with occupancy.

Application of MSOM in this study enabled clear pre-
dictions of habitat relationships for rare species detected at 
few sites (e.g., Paracrinia haswelli), thereby highlighting the 
utility of MSOM in the management of both common and 
rare species in urban areas. These models offer a powerful 
means of guiding the management of both individual species 
and entire community assemblages of species with similar 
ecological requirements (Zipkin et al. 2010) and adopting 
a community-level hierarchical modelling approach to spe-
cies conservation in urban landscapes should be encouraged 
(e.g., Mata et al. 2014; Threlfall et al. 2017). While rare spe-
cies detected in this study were only recorded at species-rich 
ponds, accounting for imperfect species detection and use of 
collective community data enabled inferences to be derived 
for these species and should improve future estimates of spe-
cies richness, a response variable which has been recom-
mended for monitoring both trends in frog communities and 
management actions in the greater Melbourne area (Hamer 
and Parris 2011). Rare species often show disproportionate 
responses to habitat change compared to common species 
(Zipkin et al. 2010), are frequently urban-sensitive species 
(McKinney 2002), and therefore worthy of attention for 
conservation management actions in urbanising landscapes.

In conclusion, this study adds to the growing body of evi-
dence demonstrating the crucial importance of greenspace 
for maintaining biodiversity in urban landscapes. Increasing 
the area and connectivity of greenspaces are the most criti-
cal elements in promoting high levels of urban biodiversity, 
although habitat structure is also important (Beninde et al. 
2015; Matthies et al. 2017; Nielsen et al. 2014). Amphibian 
communities, like other wetland-dependent taxa (e.g., fresh-
water turtles; Guzy et al. 2013), are no exception, and meta-
populations require interconnections between and among 
wetlands and terrestrial habitats for persistence (Heard et al. 
2012; Semlitsch 2002). Urban green spaces often support 
both high understorey vegetation cover and aquatic vegeta-
tion cover that is important for local biodiversity (Hamer and 
Parris 2011; Threlfall et al. 2017). It is therefore evident that 
management actions that increase vegetation cover, improve 
pond structure (e.g., remove vertical walls) and increase pond 
density and connectivity up to a radius of 2000 m around 
ponds, and eliminate non-native predatory fish, should there-
fore be undertaken in urban greenspaces to benefit a broad 
array of wetland-dependent organisms (Oertli and Parris 
2019).
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