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Abstract
Anthropogenic land-use change impacts ecological communities in urban and rural landscapes, and wetlands are particularly
vulnerable despite the valuable ecosystem services they provide. Urbanized non-wetland systems are often enriched in non-
native plant species, and similar patterns in wetlands would have implications for ecosystem function and biodiversity. We
evaluated landscape-scale patterns of plant community diversity across gradients of rural to urban land-use, testing whether
diversity was related to environmental conditions indicative of surrounding land-use. We surveyed vegetation and collected soil
samples from 45 wetlands throughout Ohio, USA. Sites were categorized based on surrounding land-use as intense urban,
moderate urban, or rural, representing 15 replicate urban to rural gradients. Non-native richness was 56% greater and non-
native relative abundance 74% greater in intense urban sites compared to rural sites. Structural equation modeling indicated that
high non-native relative abundance caused reductions in native plant richness but not native Shannon diversity, which was
instead related to high concentrations of urban-associated soil contaminants such as cadmium and sodium. Our results support
both versions of the driver-passenger model of invasion impacts, depending on the response: native richness is directly limited by
competition with non-native species (the driver model), while native diversity is limited more by urban-associated stressors that
also affect non-natives (the passenger model). The few wetlands remaining in highly urban areas thus experience a range of
constraints affecting multiple dimensions of wetland health. We argue it is in these sites specifically where the benefits of
restoring wetland ecosystems will be maximized.

Keywords Urbanization . Soil salinity . Eutrophication . Biological invasions . Driver-passengermodel . Hybrid cattail (Typha x
glauca) . Canada goldenrod (Solidago canadensis) . Rice cutgrass (Leersia oryzoides)

Introduction

Changes in land-use from human development have led to
global ecosystem degradation (DeFries et al. 2004; Foley
et al. 2005), with both urbanization and intensive agriculture
contributing to habitat fragmentation, soil erosion, excess run-
off, climate change, and biodiversity loss (DeFries et al.
2004). Wetland systems are particularly vulnerable to anthro-
pogenic land-use change, resulting in widespread wetland loss

and degradation that diminishes wetland functions and ser-
vices (Brinson and Malvárez 2002). Both globally and in the
United States, around 50% of wetland area has been lost,
either due to drainage for intensive agriculture or due to urban
development (Dahl 2000; NRC 1995; Zedler and Kercher
2005). Such losses sever hydrologic connections, hindering
the movement of nutrients, sediments, and organisms among
the wetlands that remain (Poff et al. 1997). Within urban re-
gions, wetlands experience increased variability in their hy-
drology, largely driven by the type and extent of the hydro-
logic disturbances occurring in these areas (Ehrenfeld et al.
2003; Ehrenfeld 2000). Urban wetlands that are hydrological-
ly connected to watercourses and surrounded by impervious
surfaces may experience increased surface runoff with large
volumes of sediment, nutrients, and other contaminants
(Faulkner 2004). Alternatively, urban wetlands that are dis-
connected hydrologically can experience lower flooding fre-
quency and become more groundwater-dominated (Ehrenfeld
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2000). Wetlands surrounded by agriculturally intensive rural
land-use are affected in different ways, in particular experienc-
ing increased sedimentation and sediment-bound phosphorus
compared to more natural wetlands due to agricultural prac-
tices in these areas (Stapanian et al. 2016). Although many
impacts of urban and rural land-use on wetland systems have
been documented (Ehrenfeld 2000; Zedler 2003) the distinc-
tions between urban- versus rural-specific anthropogenic
stressors are more poorly understood, as are their implications
for wetland biota.

Wetland plant communities are key indicators of ecosys-
tem health (Mack et al. 2000; Moges et al. 2016) and are
critical for prioritizing management decisions (Miller et al.
2006) since plants are immobile, can be susceptible to
stressors resulting from land-use change (Mahaney et al.
2004; Maurer and Zedler 2002; Miller et al. 2006; Thomas
andMoloney 2013; Vilà and Ibáñez 2011), and influence food
webs above and below ground (Gratton and Denno 2006;
Levin et al. 2006). In particular, differential responses by the
native and non-native components of wetland plant commu-
nities to anthropogenic stressors represents an important di-
mension of plant community structure that may yield valuable
insights into the condition of wetlands and the services they
provide (Ehrenfeld 2008).

Although data from wetlands are lacking, findings from
other ecosystems indicate that plant species richness often
varies across the gradient from rural to urban land-use and
that these patterns often differ for native versus non-native
species (Burton et al. 2005; Duguay et al. 2007;
Loewenstein and Loewenstein 2005; Wania et al. 2006).
Such studies often find more non-native plant species in urban
compared to rural areas, likely due to a greater degree of
habitat degradation as well as propagule pressure in highly
urbanized settings (Kowarik 2011). Non-native species may
be adapted to tolerate conditions such as higher temperatures
and increased disturbance in urban areas (Knapp et al. 2008;
Maskell et al. 2006), but the presence of more people in urban
areas also leads to more potential introduction pathways com-
pared to rural or natural areas (Cadotte et al. 2017; Lockwood
et al. 2005; Pyšek et al. 2010). Rural areas with intensive
agricultural activity may provide exceptions to this pattern,
where large numbers of non-native species can occur in these
areas due to a high degree of disturbance (Deutschewitz et al.
2003; Kuhman et al. 2011). In contrast, native plant species
richness tends to decrease with increased urbanization in most
cases, perhaps reflecting replacement of natives by non-
natives (Aronson et al. 2015; Ranta and Viljanen 2011). Yet,
exceptions to this pattern also occur, with the number of native
plant species sometimes increasing with increased urbaniza-
tion, either due to cities acting as biodiversity hotspots or
harboring large numbers of native ruderal species that are
relatively tolerant of urban conditions (Deutschewitz et al.
2003; Kühn et al. 2004; McCune and Vellend 2013).

The commonly observed pattern of declines in native plant
species coinciding with increases in non-natives along a gra-
dient of increasing urbanization could result from many dif-
ferent mechanisms. At one extreme, native declines may be a
direct result of competitive interactions between native and
non-native species, with competitive non-natives more likely
to occur in highly urbanized sites. This mechanism may be
especially important in wetlands, which contain high individ-
ual species abundances of both native and non-native species
and are particularly prone to invasion (Doherty and Zedler
2014; Zedler and Kercher 2004). But competition by non-
natives is rarely the sole cause of native species loss
(Gurevitch and Padilla 2004), thus a reasonable alternative is
that native species are inhibited by environmental stressors
that are associated with urbanization, followed by subsequent
increases in non-native species that may be more resistant to
such conditions (Tuchman et al. 2009). We note that native
ruderal species may illustrate an important exception to this
pattern, as they could be relatively tolerant of urban-associated
anthropogenic stressors and thus increase with urbanization
similar to non-natives (McCune and Vellend 2013). These
contrasting scenarios fit well within the framework of the
driver-passenger model (MacDougall and Turkington 2005),
which makes a distinction between non-native species acting
as drivers or as passengers of change when associated with
native species loss or decline. Such distinctions are needed
because specifying the mechanisms that lead to ecosystem
change is an important step towards guiding effective man-
agement of degraded sites and minimizing future declines in
ecosystem health.

Although summary metrics such as richness and diversity
are useful indicators of community responses to anthropogen-
ic stress, they may mask important patterns in community
composition resulting from differential stressors across the
urban to rural gradient. Highly urbanized environments may
be dominated by urban-exploiter species (McKinney 2002)
that are better adapted to the high levels of disturbance and
unique environmental conditions found in urban areas
(Vakhlamova et al. 2014). Urban-exploiter species are often
non-native or ruderal species (McKinney 2002; Nobis et al.
2009) such as grasses or annual plants that can tolerate such
conditions. In contrast, rural and suburban areas may be oc-
cupied by a distinct complement of species that are not urban-
exploiters and are more sensitive to high levels of human
disturbance. Such compositional differences are likely to be
particularly important for wetland plant communities because
in these systems the identity of a given community dominant
can have a large influence on co-occurring species abun-
dances as well as ecosystem services (Doherty and Zedler
2014; Skultety and Matthews 2018).

Patterns of plant diversity and composition across urban to
rural gradients have been assessed previously, but we address
two key limitations of this work with our current study. First,
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compared to terrestrial systems wetlands have received rela-
tively little attention in urban to rural gradient studies (but see
Ehrenfeld 2005, Ehrenfeld 2008; Skultety andMatthews 2018),
despite the fact that healthy wetlands provide valuable ecosys-
tem services such as biodiversity support and carbon sequestra-
tion and storage (Zedler and Kercher 2005; Clarkson et al.
2013). Second, the design of many previously published urban
to rural gradient studies limits the ability to make general infer-
ences regarding landscape-scale patterns of plant diversity. For
instance, many such studies focus on a single city or urban
region (Malkinson et al. 2018; Porter et al. 2001; Skultety and
Matthews 2018; Vakhlamova et al. 2014; Zerbe et al. 2003),
where broad generalizations across the landscape may not be
possible. At the other extreme, most studies that have examined
plant diversity across multiple cities or urban regions do not
incorporate detailed field-collected data that are important for
documenting and explaining plant community variation, in-
cluding data on species abundances and site-level environmen-
tal conditions (Aronson et al. 2015; Deutschewitz et al. 2003;
Kühn et al. 2004; Ranta and Viljanen 2011). Few studies have
addressed both of these issues, incorporating detailed field-
collected data from sites located across multiple cities or urban
regions (Moffatt et al. 2004; Wania et al. 2006; Vallet et al.
2010). The current study attempts to address these prior limita-
tions and thus provide a clear link between environmental con-
ditions that vary with land-use patterns broadly, perhaps
influencing plant communities as a result.

To understand howwetland plant species richness and abun-
dances vary in response to anthropogenic land-use and associ-
ated environmental conditions, we surveyed wetland plant
communities and recorded site-level environmental conditions
across 15 replicate urban to rural gradients (45 sites total). We
then tested the hypothesis that surrounding land-use influences
the richness and abundance of native and non-native species, at
least partially due to land-use specific environmental condi-
tions. We predicted that wetlands surrounded by intense urban
land-use would contain more non-native species and fewer na-
tives compared to wetlands surrounded by rural land-use. This
could result in part from increased propagule pressure and in-
troduction pathways in urban areas, but due to the unique en-
vironmental stressors often found in urban environments, we
predicted that richness and diversity patterns would support the
passenger model in which variation in the native plant commu-
nity is driven primarily by environmental conditions rather than
by direct interactions with non-native species.

Methods

Site selection

Using the National Wetlands Inventory (NWI), we considered
for site selection all freshwater emergent wetlands greater than

0.04 ha in area within the state of Ohio, USA. This gave us a
large pool of wetlands to select from (n = 54,519) that varied
considerably in both hydrologic connectivity and wetland size
(n = 31,220 for 0.04–0.28 ha, n = 16,312 for 0.28–1.2 ha, and
n = 6987 for greater than 1.2 ha). We classified all such wet-
lands as either intense urban, moderate urban, or rural based
on land-use in a 30-m buffer surrounding the wetland
(National Land Cover Database 2011). We recognize this is
a fairly small buffer compared to that used in other studies to
evaluate the impacts of land-use on plant diversity
(Charbonneau and Fahrig 2004; Duguay et al. 2007;
Houlahan et al. 2006); however, a larger buffer made it im-
possible to compile a pool of sites to select from that had our
least common land-use category (intense urban) as the major-
ity of surrounding land-use within the buffer. National Land
Cover Database (NLCD) categories of ‘Developed High
Intensity’ and ‘DevelopedMedium Intensity’were considered
intense urban, NLCD categories of ‘Developed Low
Intensity’ and ‘Developed Open Space’were consideredmod-
erate urban, and NLCD categories of ‘Pasture/Hay’ and
‘Cultivated Crops’ were considered rural. For wetlands to be
categorized as moderate urban or rural we required ≥90% of
the buffer area consist of that land-use category. Only twenty
intense urbanwetlands across the state met this high threshold,
so for this category only we lowered it so that ≥50% of the
buffer area needed to be classified as intense urban. Doing so
yielded 153 intense urban wetlands from which to select (be-
fore considering site access and confirming wetland status in
the field).

Wetlands categorized as moderate urban based on the
criteria outlined above were a heterogeneous collection of
sites that were not necessarily intermediate between rural
and intense urban wetlands. We therefore applied a second
selection criteria to this group, requiring that at least some of
the buffer area, but no more than 1% of it, be categorized as
rural land-use. This ensured that wetlands classified as mod-
erate urban contained >90% moderate urban land-use in the
surrounding buffer while also having land-use characteristics
that were intermediate relative to our other categories.

We randomly selected intense urban wetlands from the
database first, as this was our limiting category (153 intense
urban wetlands vs >1000 wetlands in each of the other two
categories). We then chose moderate urban and rural wetlands
within each triad based on site access (74% of sites surveyed
were privately owned) and the nearest distance to the selected
intense urban wetland, confirming site access and wetland
status in the field prior to surveying. The average distance
between wetland sites within a triad was 12.8 km. The total
spatial coverage across all sites spanned an area of approxi-
mately 29,400 km2. The final forty-five selected wetlands had
no overlap in their surrounding landscape buffers and were
considered independent observations in analysis (Fig. 1).
Nearly all of our selected wetlands (41 of 45) are
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hydrologically isolated, based on their being more than 10 m
away from any National Hydrography Dataset (NHD) line or
polygon; this distance threshold accounts for inaccuracies in
the NHD and has been used previously to determine wetland
isolation (Cohen et al. 2016; Lane et al. 2012).

Field surveys

We conducted vegetative surveys between June and August
2017. At each site, we sampled vegetation and environmental
conditions in 1-m2 plots arranged along equally spaced tran-
sects running parallel to any elevation gradient from the edge
of standing water to the edge of herbaceous wetland vegeta-
tion. To account for variable wetland sizes in our sampling
scheme we increased the number of plots in larger wetlands,
sampling 9 plots across three transects in wetlands of 0.04–
0.28 ha (n = 30 wetlands), 12 plots across four transects in
wetlands of 0.28–1.2 ha (n = 14), and 15 plots across five
transects in the single wetland greater than 1.2 ha. Our largest
wetlands (sampled with twelve or more plots) were fairly
equally distributed across land-use categories (six intense ur-
ban, five moderate urban, and four rural). To quantify varia-
tion in nutrient availability, we collected two 2 × 15 cm soil
cores from each transect at each site and stored them at 4 °C
until they were processed for nutrient and elemental analysis
(see below). To quantify variation in light availability, we took
hemispherical photographs of the canopy from each plot using

a fisheye lens situated above the tallest standing herbaceous
vegetation. From these photographs, we calculated mean per-
cent canopy openness for each site using the Gap Light
Analyzer Program (Burnaby, British Columbia).

We identified herbaceous vegetation in each plot to species
and estimated species abundance by eye as percent cover
using the following classification: 0% = 0, <1–5% = 1, >5–
25% = 2, >25–50% = 3, >50–75% = 4, >75–95% = 5,
>95%= 6 (Daubenmire 1959). All cover classifications were
converted to the midpoint of the range for further analysis. We
averaged the midpoints for each species across plots (includ-
ing instances of zero) to obtain the mean abundance for each
species at each site. We used these per-species abundance
estimates at the site-level to calculate Shannon diversity,
Simpson evenness, and Berger-Parker dominance (Berger
and Parker 1970; Shannon 1948; Simpson 1949). We deter-
mined the total richness of the site by counting the number of
species present across the entire site. We categorized species
as either native or non-native (USDA, NRCS 2006) so that
species richness and Shannon diversity of each group could be
determined separately at the site level. We also estimated the
relative abundance of native and non-native species within
each plot by dividing the sum of either native or non-native
per-species abundances by the sum of all per-species abun-
dances in a given plot. These values were then averaged across
plots to obtain site-level relative abundances for each group.
We estimated the percent of bare ground for each plot using

Fig. 1 Map of surveyed wetlands
throughout Ohio. Circles show
intense urban wetlands, triangles
show moderate urban wetlands,
and squares show rural wetlands.
Lines connect sites from the same
triad. The inset displays sites that
are located predominantly in the
Columbus metropolitan area
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the same cover classification as above and averaged across all
plots to obtain percent bare ground at each site.

Soil analysis

To estimate plant-available nitrogen and phosphorus (NO3
−,

NH4
+, PO4

3−), we used ion-exchange membranes (IEMs, 4 ×
2.5 cm; SUEZ Water Technologies & Solutions: product
numbers AR204R and CR67R, Trevose, PA). This method
is cost-effective for measuring the relative availability of soil
nutrients and correlates better with plant nutrient uptake than
chemical extractions (Fernandes and Warren 1995; Qian et al.
1992). We created a slurry of 6.0 g of soil from each soil core
mixed with 70 mL of deionized water (Qian and Schoenau
2002) and then submerged a cation and anion membrane in
the slurry, stirring them for approximately 15 s and then leav-
ing them to incubate at room temperature for three hours. By
saturating the soil, this method provides an upper bound on
plant available nutrients. After incubation, the IEMs were
rinsed with deionized water and stored together at 4 °C until
further processing.

We eluted nutrients bound to the membranes by submerg-
ing them in 50 mL of 2 N KCl and shaking for one hour on an
orbital rotator. The resulting solution was filtered and stored at
4 °C. We estimated NO3

−, NH4
+, and PO4

3− concentrations
separately using spectrophotometric procedures with standard
protocols (Weatherburn 1967; Doane and Horwáth 2003;
Lajtha and Jarrell 1999, respectively), quantifying them using
a microplate reader (BMG LabTech: FLUOstar Omega). We
processed all soil samples individually (one sample per tran-
sect, 150 total samples), averaging the final concentrations to
obtain a single estimate of plant-available nitrogen and phos-
phorus for each site.

To estimate soil mineral content, we used nitric acid micro-
wave digestion (EPA Method 3051) followed by ICP analysis
(conducted by The Ohio State University’s Service Testing and
Research Laboratory). For these analyses we combined all soil
cores from a site into a single pooled sample, from which we
measured a suite of elements that included macronutrients (P,
K, Ca,Mg, S), micronutrients (Na, Fe, B,Mn, Zn, Cu, Co,Mo),
and heavy metals (Al, As, Cd, Cr, Ni, Pb).

Statistical analysis

To determine whether wetlands surrounded by intense urban,
moderate urban and rural land-use differed in plant communi-
ty metrics and soil conditions, we used general linear mixed
effects models. Each model included a random effect indicat-
ing the triad comprising a group of three nearest neighbor
wetlands (a categorical block effect intended to account for
spatial autocorrelation). We used Tukey adjustments to deter-
mine pairwise differences among our three wetland catego-
ries. Response variables were transformed as needed to meet

the assumptions of linear models, including log10 transforma-
tions of mean non-native abundance, bare ground, phosphate,
boron, chromium, copper, magnesium, manganese, sodium,
phosphorus, lead, sulfur, and zinc; square root transformations
of arsenic, iron, potassium, molybdenum, and nickel; and a
logit transformation of canopy openness.

We performed Principal Component Analysis (PCA) on
the soil element and nutrient data to better describe variation
among sites and for subsequent use in structural equation
models (SEM). All variables were transformed as above and
standardized prior to running the PCA. We retained the first
five axes, which were needed to account for ≥75% of ex-
plained variation. One intense urban site contained very high
levels of both zinc and lead compared to the other sites. All
analyses were run with and without this site, but its inclusion
did not qualitatively affect our results so it remains in all
analyses presented here.

We used structural equation modeling (SEM) to integrate
multiple predictor and response variables and test competing
hypotheses regarding the effects of land-use variation on na-
tive plant communities by way of impacts on environmental
conditions and/or non-native plant communities. SEM is ap-
propriate for these purposes as it is a statistical framework that
can identify factors influencing a given response both directly
as well as indirectly via effects on intermediate predictors
(Grace 2006; Grace et al. 2012). It is particularly useful as a
tool for comparing competing models that reflect alternative
hypotheses which can be specified a priori (see step 7 in Grace
et al. 2012). In our analyses, competing SEMs were formulat-
ed for both of our final responses: native species richness and
native species Shannon diversity. In each case we assessed
predictions from the driver-passenger model (MacDougall
and Turkington 2005), testing whether environmental condi-
tions were directly related to non-native species richness/
relative abundance as well as native species richness/
diversity (consistent with the passengers model) versus
whether the number or relative abundance of non-native spe-
cies directly drove native species richness or diversity (con-
sistent with the driver model). To directly evaluate predictions
from the driver-passenger model, we used AIC (Burnham and
Anderson 2002) to compare three different SEMs for each
final response: passenger-only, driver-only, and a combined
driver-passenger SEM that we consider our baseline model.
We included four separate linear regressions in each baseline
SEM: (1) The effect of land-use on environmental conditions;
(2) the effect of land-use and environmental conditions on
non-native species richness; (3) the effect of land-use and
environmental conditions on non-native species relative abun-
dance; and (4) the effect of land-use, environmental condi-
tions, non-native richness, and non-native relative abundance
on the final response variable. For the passenger-only SEM,
we omitted non-native richness and non-native relative abun-
dance as predictors in regression (4). For the driver-only SEM,
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we omitted land-use and environmental conditions as predic-
tors in regression (4). Environmental condition predictors in-
cluded site scores from all five PC axes, percent bare ground,
canopy openness, mean precipitation for the warmest quarter,
and mean temperature for the warmest quarter. The use of PC
axis scores as predictors for SEM is a common approachwhen
reduced dimensionality of the dataset is required (e.g.,
Kavanagh et al. 2018; Romero et al. 2018). We obtained cli-
matological data from WorldClim (Fick and Hijmans 2017).
We used backwards stepwise selection in combination with
AIC to simplify final regression models for each SEM.
Missing paths were identified and included in each SEM using
the sem.missing.paths function in the R package
piecewiseSEM (v1.2.1; Lefcheck 2016). We transformed var-
iables as above; mean temperature for the warmest quarter
was square root transformed. All SEM path coefficients were
standardized using the default method in piecewiseSEM. We
calculated the total effect of a predictor on a response by
summing the direct and indirect effects between these vari-
ables. Direct effects are equal to the path coefficient between
two variables. Indirect effects are calculated by multiplying
coefficients linking a predictor and a response along paths
mediated by another variable (Grace 2006).

We ran Canonical Correspondence Analysis (CCA) using
the R package vegan (v2.4; Oksanen et al. 2019) to analyze
the effect of land-use category and environmental conditions
on plant community composition. Environmental variables
used in the CCA include the following: mean temperature
for the warmest quarter, mean precipitation for the warmest
quarter, canopy openness, bare ground, and the five PC axes
from principal component analysis. Environmental variables
were transformed as above. The final model was determined
through backwards stepwise selection using the ordistep func-
tion in vegan (Oksanen et al. 2019), yielding a final model in
which all predictor variables were statistically significant
(p < 0.05).

We evaluated relationships between individual species
abundances and soil nutrient/element concentrations for the
three most common species across all sites. This group
consisted of one non-native species, hybrid cattail (Typha x
glauca – present at 29 sites), and two native species, Canada
goldenrod and rice cutgrass (Solidago canadensis and Leersia
oryzoides – present at 29 and 24 sites respectively). We did
not conduct genetic analysis on the Typha spp. we encoun-
tered; however, morphologically we saw no indication that
our wetlands contained native broadleaf cattail (Typha
latifolia). As such, we considered all Typha spp. to be the
hybrid cattail. We used a series of univariate mixed effects
regression models, with individual species abundances as the
response, single element/nutrient concentrations as the sole
predictor, and triad as a random effect. Abundances and
nutrient/element concentrations were transformed to satisfy
the assumptions of linear models. This included a log10

transformation for Canada goldenrod abundance and a square
root transformation for rice cutgrass abundance; all other var-
iables were transformed as above.

Results

Environmental variation among land-use categories

The first five axes of the PCA on soil elements and nutrients
explained 75% of the variation in those data (Table 1).
Increasing PC1 values primarily reflected increases in iron,
cadmium, and zinc (PC scores of 0.32, 0.31, and 0.29 respec-
tively), whereas higher values of PC2 were associated with
increases in aluminum, nickel, and chromium (PC scores of
0.40, 0.37, and 0.36). PC3 had strong positive associations
with phosphorous and phosphate (PC scores of 0.46 and
0.42). PC4 was positively associated with magnesium and

Table 1 PCA loadings table of soil elements and nutrients used for
structural equation modeling

PC1 PC2 PC3 PC4 PC5

Macronutrients:

P 0.197 0.022 0.457 −0.082 −0.082
K 0.276 0.301 0.009 0.185 −0.177
Mg 0.271 −0.021 0.024 0.433 0.039

S 0.199 −0.198 0.294 0.148 0.035

Micronutrients:

Na 0.227 0.082 0.107 0.150 0.475

Fe 0.322 0.021 −0.182 −0.177 −0.158
B 0.255 0.063 0.204 0.420 −0.064
Mn 0.248 −0.217 −0.056 −0.057 0.001

Zn 0.291 −0.232 0.120 −0.177 −0.044
Cu 0.126 −0.314 0.096 0.018 −0.230
Co 0.253 0.056 −0.302 0.010 −0.293
Mo 0.231 0.037 −0.343 0.099 0.297

Heavy Metals:

Al 0.098 0.401 0.058 −0.285 −0.319
As 0.247 −0.291 −0.262 −0.004 −0.003
Cd 0.314 −0.093 −0.060 −0.147 −0.024
Cr 0.172 0.362 0.048 −0.297 0.253

Ni 0.224 0.370 −0.148 −0.136 0.211

Pb 0.153 −0.194 0.299 −0.465 −0.010
Plant-available nutrients:

NO3 +NH4 0.008 −0.153 0.122 −0.169 0.512

PO4 0.007 0.266 0.423 0.146 −0.053
PCA Summary:

Standard Deviation 2.568 1.760 1.494 1.280 1.173

Proportion Explained 0.330 0.155 0.112 0.082 0.069

Cumulative Proportion 0.330 0.485 0.596 0.678 0.747
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boron but negatively associated with lead (PC scores of 0.43,
0.42, and − 0.47). Lastly, PC5 was mostly related to nitrogen
and sodium (PC scores of 0.51 and 0.48). Intense urban sites
show the most separation from both moderate urban and rural
sites along PC1, PC4, and PC5 axes, as seen from the 95%
confidence intervals (Fig. 2).

Single element and nutrient concentrations often varied
along the rural to urban gradient, usually with intermediate
values in moderate urban sites compared to the other two
land-use categories. Intense urban sites had significantly
higher concentrations than either moderate urban or rural sites
for magnesium, sulfur, sodium, boron and arsenic (Table 2).
Manganese was higher in intense urban sites only compared to
rural sites, whereas aluminum was higher in rural and moder-
ate urban sites compared to intense urban sites. Plant-available
nutrients (NO3

−, NH4
+, and PO4

3−) did not differ among land-
use categories (Table 2).

Two additional indicators of potentially stressful condi-
tions were also higher in intense urban sites compared to rural
sites, with moderate urban sites intermediate. Intense urban
sites had a greater proportion of bare ground compared to rural
sites, with intermediate values in moderate urban sites that did
not differ from the other groups (p = 0.03; mean ± se for in-
tense urban: 0.12 ± 0.02, moderate urban: 0.09 ± 0.02, rural:
0.08 ± 0.03). Mean temperature for the warmest quarter was
also higher in intense urban sites compared to rural sites
(p < 0.001); intense urban: 21.87 ± 0.15 °C, moderate urban:
21.76 ± 0.17 °C, rural: 21.65 ± 0.18 °C). Canopy openness
and mean precipitation for the warmest quarter did not differ
among land-use categories (both p > 0.55).

Plant community variation among land-use
categories

Species richness for native and non-native species groups var-
ied depending on surrounding land-use, although there were
no differences in total richness or Shannon diversity (native
and non-native species combined; both p > 0.37). Non-native
species richness was highest in intense urban sites, intermedi-
ate in moderate urban and lowest in rural (Fig. 3a), with sig-
nificant differences between intense urban and rural sites
(F2,44 = 5.96, p = 0.05, Tukey p = 0.04). Native species rich-
ness trended in the opposite direction across the gradient but
with no significant differences (p = 0.21; Fig. 3a). Native and
non-native diversity did not differ among land-use categories
(p = 0.30 and p = 0.96 respectively; Fig. 3b), but native diver-
sity tended to be higher in rural than urban sites. As a propor-
tion of total richness, non-native species made up 42% of
species present in intense urban sites, 31% in moderate urban
and 30% in rural sites. The difference in these proportions was
marginally significant across land-use categories (p = 0.07).

Species abundances differed depending on surrounding
land-use when evaluating all species and native/non-native

species separately. The relative abundance of non-native spe-
cies as a group was greater in intense urban sites than in rural
sites and marginally greater than in moderate urban sites
(F2,44 = 10.77, p = 0.004, Tukey p = 0.004 and p = 0.052

Fig. 2 PCA biplots for PC axes 1 and 2 (a), PC axes 1 and 3 (b) and PC
axes 4 and 5 (c). Sites are shown as points, with intense urban sites as
circles, moderate urban sites as squares, and rural sites as triangles.
Ellipses show 95% confidence intervals around the centroid for each
land-use classification. Solid lines surround intense urban sites, dashed
lines surround moderate urban sites, and dotted lines surround rural sites
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respectively; intense urban: 0.66 ± 0.06, moderate urban: 0.45
± 0.06, rural: 0.38 ± 0.08; Fig. 3c). Because the relative abun-
dance of native species is the complement of non-native rela-
tive abundance it exhibited the opposite pattern, with values in
intense urban sites lower than in rural sites and marginally
lower than in moderate urban sites (F2,44 = 10.42, p = 0.005,
Tukey p = 0.005 and p = 0.06 respectively; intense urban:
0.34 ± 0.06, moderate urban: 0.54 ± 0.06, rural: 0.62 ± 0.08).
Simpson’s evenness for all species was higher in rural sites
compared to intense urban sites (F2,44 = 5.80, p = 0.05, Tukey
p = 0.05; intense urban: 0.23 ± 0.02, moderate urban: 0.31 ±
0.04, rural: 0.36 ± 0.04).

Integrating environmental and community variation
among land-use categories

In both baseline SEMs, environmental variation captured
by PC1 and PC2 reflected land-use variation and was also
correlated with non-native plant community characteristics.
PC1 scores were higher in intense urban sites than they
were in rural or moderate urban sites (β = −0.74, p = 0.04

and β = −0.85, p = 0.02 respectively; Fig. 4), reflecting
greater concentrations of iron, cadmium, and zinc with in-
tense urbanization. Sites with higher PC1 scores tended to
have more bare ground (β = 0.26; p = 0.09) and therefore
fewer non-native species, a weak indirect negative effect of
PC1 on non-native richness mediated by its effect on bare
ground (indirect effect = −0.09). Consistent with our uni-
variate analyses (Fig. 3a), baseline SEMs indicated greater
non-native richness in intense urban sites than in either
rural or moderate urban sites (β = −1.34; p = 0.001 and
β = −0.79; p = 0.03 respectively; Fig. 4). PC2 scores were
greater in rural sites relative to intense urban and positively
related to the relative abundance of non-native species (β =
0.59; p = 0.07 and β = 0.36; p = 0.01 respectively), indicat-
ing greater non-native relative abundance in sites with high
concentrations of aluminum, nickel, and chromium.
Consistent with our univariate analysis (Fig. 3), the relative
abundance of non-native species was lower in rural and
moderate urban wetlands compared to intense urban sites
(β = −1.24; p < 0.001 and β = −0.92; p = 0.008 respective-
ly; Fig. 4).

Table 2 Elemental and nutrient analysis from field-collected soil cores for each land-use category

Intense Urban Moderate Urban Rural

Elements (μg/g) Mean ± Std. Error Mean ± Std. Error Mean ± Std. Error P value

Macronutrients:

P 646.76 ± 126.70 599.39 ± 69.19 606.48 ± 56.77 0.91

K 1810.13 ± 167.06 1815.19 ± 283.75 1655.48 ± 197.43 0.84

Mg 11,830.53 ± 1749.72A 3695.53 ± 465.53B 3853.67 ± 395.69B <0.001

S 843.84 ± 224.07A 450.23 ± 108.60B 339.69 ± 64.26B 0.004

Micronutrients:

Na 276.54 ± 55.20A 141.92 ± 15.65B 108.27 ± 8.00B <0.001

Fe 23,794.67 ± 987.53 20,117.87 ± 1703.62 22,746.00 ± 1149.99 0.11

B 4.12 ± 0.82A 2.10 ± 0.48B 1.55 ± 0.31B <0.001

Mn 930.75 ± 250.66A 525.01 ± 66.76AB 504.85 ± 76.22B 0.05

Zn 150.51 ± 35.19 94.66 ± 8.13 99.46 ± 9.68 0.12

Cu 65.86 ± 25.56 68.06 ± 37.04 71.75 ± 28.47 0.99

Co 11.20 ± 0.67 10.76 ± 1.05 10.55 ± 0.63 0.85

Mo 6.41 ± 0.99 4.85 ± 0.88 4.83 ± 0.73 0.14

Heavy metals:

Al 10,757.60 ± 482.67B 13,845.20 ± 1295.54A 14,456.67 ± 889.76A 0.01

As 14.52 ± 1.53A 9.28 ± 1.17B 10.46 ± 1.32B 0.003

Cd 2.09 ± 0.14 1.83 ± 0.17 1.86 ± 0.12 0.30

Cr 45.31 ± 12.10 35.41 ± 7.15 47.64 ± 9.32 0.64

Ni 44.94 ± 3.32 42.15 ± 5.62 48.41 ± 6.48 0.71

Pb 25.49 ± 3.46 22.56 ± 1.78 22.27 ± 0.87 0.41

Plant-available ions (mg/cm2)

NO3
− +NH4

+ 0.80 ± 0.03 0.77 ± 0.02 0.77 ± 0.02 0.69

PO4
3− 0.04 ± 0.01 0.03 ± 0.01 0.06 ± 0.03 0.49

Superscript letters indicate significant (p < 0.05) pairwise differences between land-use classifications
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Environmental conditions and non-native relative abun-
dance were directly correlated with native species richness
(Fig. 4a). We also detected an indirect effect of PC1 on native
richness, mediated by bare ground, that was similar in magni-
tude to the indirect effect on non-native richness (indirect ef-
fect = −0.08). This indicates that sites with high concentra-
tions of iron, cadmium, and zinc tended to have more bare
ground and therefore fewer species overall. PC4 was positive-
ly related to native richness (β = 0.37; p = 0.01), indicating a
positive association between native richness and soil magne-
sium and boron and a negative association with lead. We also
found a negative effect of non-native relative abundance on
native richness (β = −0.51; p = 0.001), while detecting no re-
lationship between non-native and native richness.

Several environmental conditions were directly correlated
with native diversity, but in contrast with the baseline native
richness SEMwe detected no influence of the non-native plant
community on native diversity (Fig. 4b). PC1 was negatively
related to native diversity (β = −0.33; p = 0.03), indicating
lower native diversity in sites with high concentrations of iron,
cadmium, and zinc. PC5 was also negatively related to native
diversity (β = −0.35; p = 0.02), indicating lower native diver-
sity in sites with high concentrations of sodium and plant-
available nitrogen (NO3 and NH4). We found no effect of
non-native richness or relative abundance on native diversity.

Comparisons between SEMs indicated that the effect non-
native species have on native richness was best described by
the driver-only model (driver-only AIC = 139.26; passenger-
only AIC = 188.09; baseline AIC = 154.66). In contrast, non-
native effects on native diversity were best described by the
passenger-only model (passenger-only AIC = 166.34; driver-
only AIC = 202.6). We note that for native diversity, the
passenger-only model and the baseline model were identical,
as both non-native richness and non-native relative abundance
were omitted from the baseline model during model selection.

Community composition and individual species
responses to environmental conditions

Land-use categories along with their associated environmental
constraints drove variation in community composition
(ANOVA permutation test from CCA; p = 0.001). Based on
the CCA (Fig. 5, Table 3), axis 1 is primarily associated with
light availability at the top of the herbaceous layer and percent
bare ground (−0.80 and − 0.56 loading values respectively),
whereas axis 2 is associated with temperature (0.69 loading
value). Intense urban and rural sites were also separated along
axis 1, with intense urban sites associated with greater bare
ground and canopy openness.

Mean abundances of the three most commonly occurring
species also varied in their response to soil conditions. Sodium
concentration was the only element associated with mean
abundance for all three, with the abundance of non-native

Fig. 3 Species richness (a) Shannon diversity (b), and relative abundance
(c) of native and non-native species for each land-use category (n = 15 for
each category). Lower case letters indicate significant pairwise
differences between land-use classifications (p < 0.05 with Tukey
adjustments)
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hybrid cattail increasing and the abundances of the natives
Canada goldenrod and rice cutgrass decreasing in sites with
greater sodium concentrations (all p < 0.05; Fig. 6). Mean
abundance of the most common non-native, hybrid cattail,
was also positively related to concentrations of aluminum,
chromium, potassium, sodium, and nickel (all p < 0.05).
Mean abundance of the most common native, Canada gold-
enrod, was negatively related to boron, cadmium, sodium, and
sulfur (all p < 0.05).

Discussion

By sampling replicated urban to rural gradients across a
large geographic region, we have documented variation in

native and non-native wetland plant communities that rep-
resents a generalized response to urbanization. In our
most intense urban sites, species richness and relative
abundance of non-natives was the greatest and community
evenness the lowest among our land-use categories. These
patterns apparently result from stressors and other envi-
ronmental conditions that are land-use-specific and that
have differential effects on native and non-native plant
species, resulting in compositional shifts across the land-
scape. Yet non-native species are not simply passengers
of environmental change in our wetlands, based on SEM
results that highlight a direct connection between high
non-native abundances and low native species richness
(but not diversity) that is independent of land-use catego-
ry. The effects of urbanization and other dimensions of

Fig. 4 Structural equation models
for the two final responses of
native species richness (a) and
native species diversity (b). Solid
arrows indicate positive effects
and dashed arrows indicate
negative effects. P values for
individual paths are indicated by
superscript symbols (+: p < 0.10;
*: p < 0.05; **: p < 0.01; and ***:
p < 0.001). Both SEM for native
richness and native diversity
contained all necessary paths as
indicated by the test of directed
separation using Fisher’s C
statistic (Fisher’s C = 58.66; p =
0.83 and Fisher’s C = 72.34; p =
0.47 respectively)
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human land-use are complex, but our work identifies key
relationships that may help clarify the mechanisms under-
lying community change in a critically important but
globally imperiled ecosystem.

Land-use variation in environmental conditions

Many soil nutrient and elemental concentrations varied
systematically across the gradient from urban to rural
land-use, as represented by univariate analyses (Table 2)
and differentiation in principal component axis scores
based on the SEM (Fig. 4). For instance, PC1 scores were
greater in intense urban wetlands compared to our other
land-use categories, reflecting generally higher concentra-
tions of iron, cadmium, and zinc in those sites. Yet, for
cadmium and zinc, we found no clear univariate patterns
across our land-use gradient, perhaps reflecting a diversity
of input sources that span urban and rural settings.
Common sources of cadmium include fossil fuel combus-
tion, vehicle tire linings, and phosphate fertilizer applica-
tion (EU Risk Assessment 2007), while sources of zinc
include sewage sludge, animal manure, atmospheric depo-
sition, and galvanized structures (EU Risk Assessment
2008). Our findings are consistent with other studies, some
of which have found greater concentrations of both cadmi-
um and zinc in urban compared to rural environments
(Lavado et al. 1998; Li et al. 2014), with others reporting
high levels of zinc across an urban to rural gradient due to
multiple input sources (Callender and Rice 2000).

Fig. 5 Canonical Correspondence Analysis biplot, showing how
community composition varies with land-use category and
environmental conditions. Sites are shown as points, with intense urban
sites as circles, moderate urban sites as squares, and rural sites as
triangles. Ellipses indicate 95% confidence intervals around the centroid
for each land-use type. Solid lines surround intense urban sites, dashed
lines surround moderate urban sites, and dotted lines surround rural sites.

Species locations in ordination space are indicated with grey text for
native species and black text for non-native species. Only a subset of
species included in the analysis are depicted (36 of 178), including
those with relatively high axis scores along CCA 1 and CCA 2 and
those with high mean abundances across all sites. See Table A1 for the
coded list of species abbreviations. The overall proportion of constrained
inertia in explaining the community composition is 0.14

Table 3 CCA loadings table of species community data including
continuous environmental constraints obtained from model selection
and factor constraints of land-use classes

Predictors: CCA1 CCA2 CCA3 CCA4 CCA5

Environmental Constraints:

Canopy Openness −0.796 −0.011 0.050 −0.372 0.474

Bare ground −0.557 −0.207 −0.680 0.171 −0.395
Mean Temperature 0.037 0.690 −0.124 0.708 0.084

Land-use Class:

Intense Urban −0.595 −0.790 0.304 1.099 −0.075
Moderate Urban −0.013 0.669 0.251 −0.572 −0.989
Rural 0.546 0.009 −0.533 −0.386 1.098

CCA Summary:

Eigenvalue 0.397 0.329 0.304 0.246 0.174

Proportion Explained 0.274 0.227 0.210 0.170 0.120

Cumulative Proportion 0.274 0.501 0.711 0.880 1.000
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Axis scores for PC4 and PC5 were also greater in in-
tense urban wetlands compared to other land-use types.
High PC4 scores reflect higher magnesium and boron
and lower lead concentrations, with magnesium and boron
both significantly greater in intense urban wetlands based
on univariate analyses. Surveys in forested systems have
also found greater concentrations of magnesium in urban
compared to rural areas (Pouyat et al. 1995). High PC5
scores reflect greater sodium and nitrogen ion concentra-
tions, although only sodium was significantly higher in
intense urban wetlands based on univariate analyses
(Table 2). Elevated concentrations of both sodium and
magnesium in our urban soils likely come from deicing
salts, which are commonly applied in areas with high road
densities (Cunningham et al. 2008).

Contrary to the other axes, PC2 scores were greater in
rural compared to intense urban wetlands. High PC2
scores reflect more aluminum, nickel, and chromium, with
aluminum concentrations also highest in rural wetlands
based on univariate analysis (Table 2). High aluminum
concentrations in our rural wetlands may result from near-
by agricultural applications of commercial ammonium-
nitrate fertilizers, which can lower soil pH and thereby
increase exchangeable aluminum in the soil (Moore and
Edwards 2005).

Plant communities from urban to rural environments

The native and non-native components of wetland plant com-
munities in our region appear to have contrasting responses to
urbanization, based on landscape-scale variation in richness
and relative abundance. Patterns were most pronounced for
non-natives, which were present in greater numbers and great-
er relative abundances in intense urban versus rural wetlands.
Native species followed the opposite trend. Our results for
non-native species are consistent with findings from previous
urban-to-rural gradient surveys in wetlands and other systems
(Aronson et al. 2015; Burton et al. 2005; Skultety and
Matthews 2018; Vakhlamova et al. 2014). Such associations
between non-native species and urbanization could reflect
more introduction pathways and thus higher propagule pres-
sure in urban compared to rural environments due to increased
human population densities (Lockwood et al. 2005; Pyšek
et al. 2010). Additionally, compared to native species on av-
erage non-natives may simply be more tolerant of the condi-
tions associated with urban environments (Kowarik 2011).

Interestingly, we found that the contrasting responses by
native and non-native species appeared to offset each other,
yielding total species richness and diversity that did not differ
across our urban to rural gradients. Results from other studies
that have estimated total plant species richness across urban to
rural gradients have been inconsistent, sometimes finding
more species in urban environments (Deutschewitz et al.
2003; Kühn et al. 2004; Wania et al. 2006), more species in
suburban or rural environments (Ranta and Viljanen 2011;
Vakhlamova et al. 2014), or no change in richness across the
landscape (Aronson et al. 2015). Some of this variability may
result from inconsistency across studies in the way that rural
sites are defined, including non-urban conditions that range
from intensive agriculture (as in the current study) to sites with
pristine natural vegetation. Alternatively, a lack of change in
total diversity across urban to rural gradients could result from
urban floras accumulating large numbers of unique non-native
species that will displace natives at some point in the future,
consistent with the establishment of an extinction debt
(Tilman et al. 1994). Our CCA results may represent such a
pattern, as may our observations of divergent variation in na-
tive versus non-native species responses to increasing urban-
ization. Local extinctions of native species are difficult to cap-
ture in urban to rural gradient studies that almost always focus
on a single point in time (but see Zerbe et al. 2003), and
inconsistent published patterns of total richness across the
gradient could reflect the unique histories of different cities
(Hahs et al. 2009). Longer term studies and/or those including
an experimental component would further alleviate the tem-
poral limitation of most current urban to rural gradient studies
and clarify the mechanisms behind observed patterns of total
richness. Without a clear sense of the mechanisms driving
variation in total richness, specific characteristics of that

Fig. 6 Mean abundance for the most common species in response to site-
level sodium concentrations. Sodium concentration is plotted in the log10
scale. Best-fit lines are plotted using model parameter estimates from
regression models. Solid lines show hybrid cattail abundance, dashed
lines show Canada goldenrod abundance, and dotted lines show rice
cutgrass abundance. Points represent mean abundance at each site, with
black points representing hybrid cattail, grey points representing Canada
goldenrod, and white points representing rice cutgrass
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diversity such as native/non-native status, community compo-
sition, and functional trait distributions may be more useful in
understanding community change across the landscape.

Land-use and environmental effects on plant
communities

Much of the variation in native and non-native species rich-
ness and abundance we observed across the urban to rural
gradient apparently results from soil nutrients and putative
contaminants that are associated with urbanization, based on
our structural equation models. Few previous studies have
united land-use and environmental conditions under a single
framework to explain changes in plant communities across the
urban to rural gradient (but see Ehrenfeld 2008; Godefroid and
Koedam 2003). In our case, sites with the highest PC1 scores
had the lowest native Shannon diversity as well as the lowest
species richness for both natives and non-natives; the relation-
ships between PC1 and richness reflected indirect effects that
were mediated by a higher proportion of bare ground in high
PC1 sites, which were predominantly categorized as intense
urban. High concentrations of cadmium and zinc in soil are
detrimental for plants, with cadmium leading to reduced root
growth and chlorophyll production (Kabata-Pendias and
Pendias 2001) and zinc leading to reduced root and shoot
growth (Alloway 2012). Therefore, the negative relationship
between PC1 and plant community structure (for both native
and non-native species) could ultimately result from cadmium
and/or zinc toxicity. The more strongly negative total effect of
PC1 on native Shannon diversity compared to native richness
may additionally indicate that urban pollutants have a greater
impact on reductions in native abundance than they do on the
loss of native species.

Intense urban sites were also differentiated from our other
two land-use categories based on PC5, which was in turn
negatively related to native Shannon diversity but not native
richness. The effect on diversity alone suggests that high so-
dium and nitrogen concentrations in those wetlands may in-
hibit native abundances, a key component of that metric. More
specifically, this effect is likely from sodium and nitrogen
impacting rare species to a greater extent compared to highly
abundant or more common species. The same analysis using
Simpson’s diversity index is consistent with this interpretation
because Simpson’s index is less sensitive to rare species com-
pared to Shannon diversity and the same significant associa-
tion does not occur (results not shown). Native and non-native
species respond differentially to salinity in some cases, with
non-native species having greater germination rates and bio-
mass accumulation than native species under high salinity
conditions (Kolb and Alpert 2003; Noe and Zedler 2000),
although these results are not entirely consistent (Callaway
and Zedler 1997; Kuhn and Zedler 1997). High sodium con-
centrations can lead to reduced productivity by interfering

with the uptake of other ions necessary for plant growth
(Bryson and Barker 2002; Viskari and Kärenlampi 2000).
And high levels of soil nitrogen can negatively impact plant
diversity via disproportionate increases in fast-growing
nitrophilic species, which then suppress or competitively ex-
clude less nitrophilic species (Bobbink et al. 2010; Carson and
Barrett 1988). Because many of the nitrophilic species in our
study are highly competitive non-natives (e.g., giant reed
[Phragmites australis], reed canary grass [Phalaris
arundinacea] and hybrid cattail), such interactions could rep-
resent a key mechanism underlying reductions in native spe-
cies across the urban to rural gradient (Daehler 2003).

PC2 scores tended to be higher in rural than intense urban
sites and were also positively related to an important compo-
nent of plant community structure: non-native relative abun-
dance. The mechanisms underlying a positive relationship be-
tween PC2 and non-native relative abundance are not entirely
clear, but we suggest it may reflect greater sensitivity to puta-
tive stressors such as aluminum, nickel, and chromium by
native species relative to non-natives in general, and perhaps
relative to invasive non-natives in particular. Indeed, for the
most common non-native across our sites, the invasive hybrid
cattail, its relative abundance increased in sites with higher
aluminum, nickel, and chromium concentrations. Other inva-
sive species have been previously shown to reduce or exclude
uptake of metals such as cadmium, lead, and zinc from the
soil, leading to minimal biomass reductions under these con-
ditions (Yang et al. 2007).

Non-native wetland species as drivers and passengers

Non-native plants can act as both drivers and passengers in
reducing native species richness and per-species abundances.
Based on our analyses, native wetland plant communities
across the urban to rural gradient are primarily affected by
environmental conditions, suggesting that non-natives are
largely passengers when it comes to native species decline
(MacDougall and Turkington 2005). But, the SEMs also in-
dicate that non-native plants contribute directly to losses in
native richness by reaching high relative abundances (Fig.
4), thus their role as drivers should not be ignored. Given
our study design and expectations that environmental condi-
tions would vary substantially with increasing urbanization, it
is perhaps not surprising that environmental conditions were
the most important factor influencing native plant communi-
ties (and the only factor influencing Shannon diversity).

Non-native species acting as drivers in reducing native
species richness (Fig. 4a) implies a role for direct competitive
interactions. This result may be surprising in light of studies
reporting that competition from non-native invasive plants
does not cause local extinctions (Gurevitch and Padilla
2004; Sax and Gaines 2008). Of course, since our data are
observational this pattern could alternatively reflect strong
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biotic resistance, with sites high in native species richness
limiting non-native relative abundances. However, because
human-impacted wetlands are often dominated by large, clon-
al species that grow in near monocultures (Frieswyk et al.
2007; Trebitz and Taylor 2007), and because even the per-
capita effects of non-native plants are more strongly suppres-
sive than per-capita effects of similarly abundant natives
(Pearse et al. 2019) we think widespread biotic resistance is
highly unlikely (see also Levine et al. 2004). We were sur-
prised to find that non-natives were drivers only in the decline
of native species numbers and not Shannon diversity (thus
native abundances). Declines in richness should only come
after declines in abundance, suggesting these metrics should
be correlated. But if highly competitive non-natives have been
present in our sites for a sufficient length of time it could be
that the most susceptible natives had already declined to ex-
tinction, weakening the relationship between native richness
and diversity.

Whether non-native species function as drivers or passen-
gers with respect to changes in native communities and eco-
systems will often depend on the identity of the non-native
species in question. Such identity effects certainly contributed
to our findings, as they would in other invaded wetland plant
communities where non-natives tend to occur in high abun-
dances (Zedler and Kercher 2004). The most common and
dominant non-native species across our sites was hybrid cat-
tail, which was present in 64% of wetlands (29 of 45) at a
mean abundance of 41.0 ± 4.7% cover (range = 0.2 to 79.2%).
Hybrid cattail clearly has the potential to impact other species
directly by producing large amounts of litter and changing
nutrient cycling dynamics, resulting in the competitive exclu-
sion of native species (Lishawa et al. 2019; Tuchman et al.
2009). Thus, the negative relationship we found between non-
native relative abundance and native richness overall could
reflect the common occurrence and abundance of this species
specifically. Two other common wetland invaders from our
study likely have similar direct competitive effects, although
they occurred in fewer sites than did hybrid cattail. Both giant
reed (found in 7% of our sites) and reed canary grass (42% of
our sites) limit the establishment and abundance of native
species because of their dense growth, high productivity and
substantial rhizome and litter biomass (Healy and Zedler
2010; Minchinton et al. 2006). Yet even highly competitive
species such as these may serve dual roles as drivers as well as
passengers of change (Bauer 2012), as illustrated by detailed
work with reed canary grass showing that native species can
outcompete it at low nutrient levels (Perry et al. 2004) and that
nutrient enrichment contributes to declines in native richness
regardless of its presence (Green and Galatowitsch 2002).
More experimental work focused on these and other common
invasive species could help further clarify the circumstances
under which non-natives generally are acting as drivers or
passengers of change in native systems.

Compositional differences reflecting land-use and
environmental conditions

Separation of wetland plant communities based on land-use
classification occurs only after also accounting for site-
specific environmental conditions (Fig. 5). Within our CCA,
the separation of intense urban sites from our other land-use
categories is correlated with a high degree of canopy openness
(fewer large trees and shrubs) and bare ground along axis 1.
The latter effect complements our understanding based on the
SEM, showing that more bare ground (and the underlying
urban-associated conditions that increase it) is associated with
native species richness declines as well as compositional shifts
in the community overall.

The CCA also highlights some separation of intense urban
sites from the other land-use categories based on temperature.
This appears to reflect the unique non-native species found in
intense urban sites at higher latitudes compared to lower lati-
tudes. For example, several intense urban wetlands from the
northern region of the state were dominated by invasive giant
reed, whereas similar sites in central Ohio lacked this species
(see also Saltonstall 2002).

To our knowledge, only two other studies in wetlands have
reported differences in community composition based on sur-
rounding land-use and correlated indicators of anthropogenic
activity. Skultety andMatthews (2018) used presence-absence
data from 1999 wetlands in the Chicago, Illinois metropolitan
area and found compositional differences based on both land-
use type and surrounding road type, with unique plant com-
munities in urban wetlands near highways compared to rural
wetlands near two-lane roads. Ehrenfeld (2008) reported dif-
ferences in the occurrence of native versus non-native herba-
ceous species in forested wetlands based on the proportion of
a wetland’s buffer in residential land-use as well as indicators
of anthropogenic activity such as human population density,
road density, and presence of rubbish. Research in other eco-
systems has also found compositional differences in plant
communities based on land-use type. In urban forests and
grasslands, increases in urban land-use and other indicators
of anthropogenic disturbance are associated with greater pro-
portions of ruderal and non-native species in the community
(Godefroid and Koedam 2003; Vakhlamova et al. 2014).
Shifting plant community composition in response to anthro-
pogenic land-use is thus a common finding, but the idiosyn-
cratic nature of species-specific responses make generaliza-
tions across studies difficult. This is an area where we expect
the widespread use of plant trait data for describing the com-
position of communities in functional terms to yield particu-
larly valuable insights in the near future (e.g., Lososová et al.
2006; Williams et al. 2005).

Variation in plant community composition in relation to
land-use could be influenced by adaptive variation in tolerance
by key individual species to certain characteristics of urban
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environments. This especially applies to wetlands, which are
often dominated by individual species in high abundances
(Frieswyk et al. 2007; Zedler and Kercher 2004). For example,
sites in our survey that had high concentrations of soil sodium
(associated with intense urbanization) had greater abundances
of non-native hybrid cattail but lower abundances of the natives
Canada goldenrod and rice cutgrass. Similar patterns have been
documented for giant reed, where the non-native lineage pro-
duces more biomass and has better survival than native lineages
under high salinity (Vasquez et al. 2005). The responses of
these and other common and relatively abundant species should
be highly influential when it comes to overall compositional
change across the urban to rural gradient.

Conclusions

Our findings document variation in the number and relative
abundance of native and non-native species in response to
surrounding land-use, with several mechanisms potentially
driving this pattern. Urban habitats contain unique environ-
mental stressors, which may limit the overall abundance of
native species. Non-native species may also spread more rap-
idly in these settings because of greater tolerances to such
stressors, eventually displacing native species. The high num-
ber and abundance of non-native species in intense urban wet-
lands compared to moderate urban or rural wetlands could be
an indicator of poor wetland quality, which may have conse-
quences for the ecosystem services these wetlands provide.
Given the importance of wetland ecosystem services and
global trends in the loss of urban wetlands (Clare and Creed
2014; Dahl 2000; Davis and Froend 1999; Sultana et al.
2009), we believe management and research efforts should
focus more attention on intense urban wetlands to clearly as-
sess the implications of their degradation and the potential
gains from their successful restoration.
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