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Abstract Sediment flushing from dams can help
desilting reservoirs and reinstate the longitudinal
sediment transfer continuity in rivers, but negative
ecological impacts might arise. We monitored the
ecological effects of a flushing event conducted from
27th May to 14th June 2019 in the Rienz River, in
South Tyrol (NE Italy). Using a multi-habitat
scheme approach, we collected macroinvertebrates
10 days before, and then 40 and 74 days after the
completion of the operations. We selected seven
biological traits—organism size, life cycle duration,
mobility (dispersal and locomotion), feeding type,
substrate and current velocity preference—to
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characterize and compare the invertebrate communi-
ties before and after the sediment pulse disturbance.
Turbidity was recorded continuously for the entire
duration of the event. Results indicate that invertebrate
assemblages exhibited a general decrease in taxo-
nomic richness and Shannon diversity 40 days after
the event, but density and richness recovered over
time. Shifts in species composition were observed in
post flushing samples, with a reduction in density of
sensitive species (Heptageniidae) and shredders. Post-
flushing samples were generally characterized by
sediment-tolerant taxa, able to cope with the new
habitat conditions. Altered taxonomic and functional
community composition following the flushing pre-
vented the full functional recovery to pre-disturbance
conditions.

Keywords Biological traits - Dam - Desilting -
Functional recovery - Hydropower production -
Suspended solids

Introduction

In Alpine rivers, hydropower production is a crucial
energy source (Fette et al., 2007). However, hydro-
electric power plants, and associated reservoirs, can
profoundly modify rivers hydro-morphology (Meile
et al., 2011; Bruno & Siviglia, 2012; Arheimer et al.,
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2017) and biodiversity (Vorosmarty et al., 2010; Reid
et al., 2019). The most common type of hydroelectric
facilities in Alpine regions are storage plants, which
tend to accumulate considerable amounts of sediment
from upstream soil erosion, and consequently, lose
storage volume. Worldwide annual loss of reservoir
storage capacity due to sedimentation is estimated
between 0.5 and 1% (Trimble et al., 2012). Sediment
trapping in reservoirs has dramatic consequences
downstream, including channel bed erosion, bed
armouring, and coastal erosion. For this reason, the
longitudinal continuity of sediment transport is con-
sidered a key ecological issue, and several manage-
ment actions can be implemented to restore it (Wohl
et al., 2015).

In order to preserve reservoir storage capacity,
sediment management techniques are used either in
the reservoir or at the dam (e.g., sediment sluicing,
flushing or venting) in order to minimize deposition or
remove accumulated sediments (Kondolf et al., 2014).
Flushing is one of the most common management
strategies to desilt small-medium size reservoirs (Espa
et al., 2016). Flushing involves resuspending depos-
ited fine sediment and transporting it downstream
through bottom outlets of the dam by releasing water
and lowering the water level in the reservoir (Kondolf
et al., 2014). The transfer of sediments accumulated
behind dams can restore the longitudinal sediment
transport and limit streambed incision and bed
armouring downstream (Petts & Gurnell, 2005) while
favouring the formation of vital hydrogeomorphic
patches (sensu Thorp et al., 2006). However, flushing
could be detrimental for river biota if water discharge
and fine sediment transport is excessive and/or poorly
timed (Kjelland et al., 2015; Bona et al., 2016; Espa
et al., 2016; Grimardias et al., 2017) relative to the
natural hydrological and sediment regimes.

Technical recommendation and threshold limits on
suspended sediment concentrations are normally set
by local authorities and environmental agencies, but
are often based on simple concentration—time-re-
sponse models simulating the impacts on fish popu-
lations (Newcombe & Jensen, 1996). However,
legislation differs among countries, and the lack of
reference case studies and of appropriate eco-hy-
draulic models hampers the accurate predictions of
ecological effects and subsequent recovery. Specific
impacts of sediment flushing on riverine biotic com-
ponents other than fish (e.g., macroinvertebrates) have
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received less attention despite potentially drastic and
long-lasting consequences (Gomi et al., 2010; Doretto
et al., 2019). In particular, the impacts on macroin-
vertebrate communities can be severe: these include
direct effects such as abrasion (McKenzie et al., 2020),
induction of drift (Larsen & Ormerod, 2010; Bruno
et al., 2016; Béjar et al., 2017), changes in community
structure and function (Larsen et al., 2011), as well as
indirect effects associated with substrate clogging (Bo
et al., 2007) and declined availability of good-quality
trophic resources (Doretto et al., 2016).

Responses of freshwater biota to anthropogenic
impairment have been widely used to quantify
ecosystems’ deviations from structural and functional
integrity (Dolédec & Statzner, 2010). The recent use
of functional approaches in bio-assessment is partic-
ularly useful to identify biological traits sensitive to
specific impacts, and to permit comparison of func-
tional responses among different eco-regions, because
traits are independent of taxonomy (Dolédec &
Statzner, 2010). Biological traits are well-defined
functional attributes of the species related to morpho-
logical, physiological, behavioural and ecological
characteristics that strongly influence organismal
performance (McGill et al., 2006). Community met-
rics describing species life history traits are relevant
for ecosystem functioning (Baird et al., 2008) and
provide the mechanistic basis of ecological responses
to stress (Dolédec & Statzner, 2008). Because anthro-
pogenic disturbances select species possessing rele-
vant adaptive traits, characteristic trait patterns can be
used as indicators of the source of impairment
(Statzner et al., 2004). For instance, traits conferring
resistance and resilience (Van Looy et al., 2019) to fine
sediment transport and deposition are associated with
polivoltinism, short life cycles, and r-selected strategy
(Buendia et al., 2013). The application of functional
traits in bioassessment has well recognized advantages
over taxonomic approaches (Dolédec & Statzner,
2010; Verberk et al., 2013; Enquist et al., 2015), and
has been widely used to assess the effects of fine
sediment in streams in other contexts (Larsen et al.,
2011; Buendia et al., 2013; Doretto et al., 2016, 2018).
Therefore, monitoring the ecological effects of desilt-
ing operations combining structural and functional
approaches can provide key knowledge advancement
to guide proper management schemes.

In the present study, we explored the effects of a
19-day sediment flushing from an Alpine reservoir
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dam in South Tyrol (NE Italy) on the structural and
functional composition of aquatic macroinvertebrate
communities. We used a “before-after” design and a
combined approach of traditional taxonomic metrics
and selected biological traits to examine the response
of macroinvertebrates 40 and 74 days after the event
over four sites. Specifically, we expected the flushing
to: (i) cause a rapid decline in invertebrate diversity,
with effects more pronounced in the upstream sites
closer to the dam; (ii) cause an homogenisation of the
macroinvertebrate taxonomic assemblages, due to the
sudden increase in longitudinal connectivity among
sites after the flushing, predicted by a “mass effect”
process (sensu Leibold et al., 2004); (iii) affect
sediment and flow sensitive taxa with low resistance
to flow and sediment scouring, and favour resistant
(euriecious) and pioneer taxa able to survive/rapidly
recolonise the reaches after the disturbance, thus
changing the functional composition of the macroin-
vertebrate assemblages.

Materials and methods
Study area

The Rio di Pusteria dam, completed in 1940, is located
at 704 m asl on the Rienz-Rienza River (drainage area
of ~ 1,900 kmz), a left tributary of the Eisack-Isarco
River. The two rivers join at the city of Brixen-
Bressanone (South Tyrol, Northern Italy, Fig. 1) at an
altitude of 565 m asl, ca. 84 km downstream of the
Rienz River springs. The Rienz River is characterized
by a nivo-glacio-pluvial regime, with snowmelt con-
tribution in spring, and glacier melt flow—originating
from the important Ahr-Aurino river sub-basin—in
summer. Long-lasting, frontal precipitation events,
and related floods, typically occur in late summer and
early autumn. Average annual rainfall measured at
Vandoies (~ 3 km upstream the reservoir) amounted
to ~ 690 mm for the period 1989-2016. During the
period 1985-2019, the mean monthly discharge of the
Rienz River measured at Vandoies gauging station
(managed by the Hydrographic Office) was 44.2 m’
s~ !, with values ranging between 18.5 (February) and
91.4 (June) m’s L

The Rio di Pusteria reservoir is created by a 25-m
high reinforced concrete dam on the Rienz River.
From the reservoir, up to 50.9 m> s~ ! are delivered in a

penstock—which also receives water from a second
reservoir in the upper Eisack River -, to the hydro-
power plant of Brixen, located ~ 12 km downstream
the dam. Brixen hydropower plant (124 MW total
installed capacity) is one of the largest of South Tyrol,
producing 9% of the hydropower energy of the entire
South Tyrol. The Rio di Pusteria reservoir has a
storage capacity of 1.36 x 10° m>. To our knowledge,
sediment flushing of the reservoir has been carried out
since 2001, every 2-3 years on average. Main bottom
outlets consist of three square sluice gates (4.5 m x 4.5
m) which let water and sediment flow from the bottom
of the dam (904 m® s~! overall for the three gates),
while excess water can also overflow through two
spillways located at the top of the dam (425 m® s~
overall) and from a lateral auxiliary bottom outlet (500
m® s7'). Because of the relatively small reservoir
storage capacity, occasional overspills might occur
due to high sedimentation rates between two consec-
utive flushing events or in case of heavy and prolonged
rainfall. The residual flow released by the Rio di
Pusteria dam is constant and amounts to 5.35 m®> s
The downstream by-passed reach of the Rienz River—
extending to Brixen power plant—receives only minor
flow contributions of tributaries, and thus the flow
regime is severely altered for its whole length.

The 2019 flushing operations

In 2019, the sediment flushing from the Rio di Pusteria
reservoir lasted for 19 consecutive days, from 27th
May to 14th June 2019. Clean water was initially
released from the spillways (the reservoir was com-
pletely full) and successively from the bottom outlets
before the proper sediment flushing started. Outflows
during the operations were estimated applying mass
balance equations using the reservoir water levels at
the dam (provided by the hydropower company), the
reservoir bathymetry before the flushing event, and the
inlet flow rate from the Rienz River (Vandoies
gauging station). Details on the legal restrictions,
concentration limits during the operations, starting and
ending procedures of the flushing are provided in
Online Resource 1.

The volume of sediment mobilized from the
reservoir through the flushing operations was esti-
mated by comparing two Digital Elevation Models
(DEM) acquired before and after the flushing (DTM
resolution: 0.5 m, surface area: 271,665 mz; resolution
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Fig. 1 Map showing the boundaries of the study area, location of the Rienz and Eisack River reaches, the Rio di Pusteria dam,

invertebrates monitoring and turbidimeters sites

of the topographic survey: 0.020 m, root-mean-square
error of the difference: 0.028 m). The computed
volume of sediments removed from the reservoir
during the flushing was estimated to be about 580,000
m® (~ 265,000 t), corresponding to a flushing
efficiency of 0.4%, calculated as the ratio between
the volume of evacuated sediment and the volume of
water used (Morris & Fan, 1988).

Monitoring activities

Turbidity and suspended sediment concentration
Turbidity was monitored at 5-min intervals for the
entire duration of the flushing event using two
immersion probes, installed 10 days before. A Solitax

ts-line turbidimeter (Hach Lange, accuracy: £ 0.001
NTU for turbidity up to 1,000 NTU, range up to 4,000
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NTU) was installed ~ 350 m downstream from the
reservoir outlet (hereafter referred to as “T1’, Fig. 1).
A multiparametric probe including a turbidimeter
(DS5 Hydrolab, accuracy: + 5% for turbidity > 400
NTU, range up to 3,000 NTU) was installed ~ 4.5 km
downstream of the Rienz-Eisack confluence to mon-
itor the propagation of the sediment wave in the Eisack
River (hereafter referred to as ‘T2’, Fig. 1). Before
installation, probes were inter-calibrated in the labo-
ratory using turbidity standard solutions at 0 and 1,000
NTU. Ten water samples per site were collected by an
isokinetic sampler in the period 23 May—13 June 2019,
covering a wide range of turbidity (25-1,400 NTU)
and different stages of the flushing operations. The
samples were analysed at the local Environmental
Agency lab with the standard gravimetric method
(Gray & Gartner, 2009)—based on vacuum filtration
(0.45 pm filters), oven drying (105 °C) and repeated
weighing—to obtain the suspended sediment
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concentration (SSC) in each sample. Therefore, it was
possible to build SSC-NTU calibration curves and
reconstruct the complete SSC dynamics for both
monitored sites. The regression curves obtained by
site-specific, simultaneous pairs of SSC (from the
gravimetric method) and NTU (from the turbidime-
ters) were characterised by R* equal to 0.95 at T1 and
to 0.99 at T2.

Invertebrate sampling

We selected four sampling sites at increasing distance
from the reservoir (named sitel-4 thereafter, Fig. 1;
Online Resource 2) based on aerial photographs,
preliminary field surveys, accessibility, and location
of turbidimeters. The three upstream-most sites were
situated along the Rienz River, between the village of
Naz-Sciaves and the town of Brixen, and the down-
stream-most site was located in the village of San
Pietro Mezzomonte, 6 km downstream from the
confluence of the Rienz and Eisack Rivers. The total
distance from sitel to site4 is ~ 15 km, and sitel is
~ 3.5 km downstream of the reservoir, while site 2, 3
and 4 are ~ 7, 11.5 and 19 km distant from the dam,
respectively.

We used a Surber sampler (0.23 m x 0.22 m,
100-um mesh) to collect benthic macroinvertebrates
on three sampling occasions, before (1617 May 2019,
hereafter referred to as ‘pre’), and twice after the
flushing event (24 July and 27 August 2019, hereafter
referred to as ‘postl’ and ‘post2’), which occurred 10
days before the beginning, and 40 and 74 days after the
end of the flushing event, respectively. We adopted a
multi-habitat scheme approach, designed to propor-
tionally sample major habitats according to their
occurrence within the river reach (Hering et al., 2003).
At each site, we collected 10 subsamples, which were
pooled into a single sample representing each study
reach. Samples were preserved in 90% ethanol and
returned to the laboratory for sorting and identifica-
tion. Physical and chemical parameters of surface
water such as temperature (°C), oxygen concentration
(mg L"), conductivity (uS m ™), pH, turbidity (NTU)
were measured at each site, on each sampling occasion
with a multi-parameter portable meter (Profi-Line pH/
Cond 3320, WTW GmbH & Co., Weilheim, Ger-
many). Mean flow velocity (at 60% total depth from
water surface) was recorded by using a digital water
velocity meter (Global Water Flow Probe, College

Station, Texas, USA) and averaging velocity mea-
surements taken at each subsample point. We identi-
fied all benthic invertebrates to the lowest possible
taxonomic level usually genus or species, abundances
of each taxon were expressed as the ratio of counts to
total sampled surface (i.e., taxon density, expressed as
N. ind m™?). In particular, we identified Ephe-
meroptera, Plecoptera and Trichoptera (EPT) to the
genus or species level following Campaioli et al.
(1994, 1999), Tachet et al. (2010), Fochetti and Tierno
de Figueroa (2008), Belfiore (1983), Moretti (1983),
and Waringer and Graf (2011), while most Diptera
families (including Chironomidae, Empididae, Psy-
chodidae, Simuliidae, Ceratopogonidae, Blephariceri-
dae, Anthomyiidae, Thaumaleidae), and Oligochaeta,
Copepoda, Ostracoda, Cladocera, Hydrachnidia,
Collembola, Hirudinea, Tricladida were recorded as
such.

Species traits

Information on functional traits was derived from
literature and the online database on the ecology of
freshwater organisms www.freshwaterecology.info
(Schmidt-Kloiber & Hering, 2015). Seven functional
traits (Table 1) were assigned to the collected taxa.
Chironomidae, Oligochaeta, Hydrachnidia, Clado-
cera, Copepoda, Ostracoda, Collembola, Hirudinea
(one individual) and Tricladida (one Planaria sp. and
other two unidentified individuals) were excluded
from the functional analysis due to the limited infor-
mation on their functional traits either for the whole
taxon, or at the undertaken classification level. The
traits chosen to assess the impacts of sediment flushing
on macroinvertebrate communities (see Table 1) relate
to morphology (maximum potential size), life history
(life span), mobility (dispersal, locomotion and ability
to avoid drift), physiology (feeding types), and habitat
ecological conditions (substrate preference, current
velocity). Affinities of each taxon to each trait cate-
gory were standardized between O and 1 using a fuzzy
coding procedure (Chevene et al., 1994). To derive
community-level trait proportions, affinities were
weighted by species relative abundance using the
‘functcomp’ function from the FD package (Laliberté
et al., 2014) of the R software (version 3.6.2, R Core
Team, 2019).
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Table 1 List of functional traits selected for the analysis, as retrieved from www.freshwaterecology.info (Schmidt-Kloiber &

Hering, 2015)

Category Trait Modality Code
Morphological Maximum potential size' > 0.25-0.5 cm Size 0.25-0.5 cm
> 0.5-1 cm Size 0.5-1 cm
> 1-2 cm Size 1-2 cm
> 2-4 cm Size 2—4 cm
Life history Life cycle duration’ 1 Eq_1_year
> 1 Sup_1_year
Mobility Dispersal' Aquatic passive Aq_passive
Aquatic active Aq_active
Aerial passive Aerial_passive
Aerial active Aerial_active
Mobility Locomotion type” Swimming (passively drifting) Passive swimmers
Active swimming or diving Divers
Burrowing/boring Burrowers
Sprawling/walking Walkers
(Semi) sessile to hard substrates, plants, animals Sessile_organisms
Other locomotion type Other_loc
Physiological Feeding type3 Grazers and scrapers Grazers
Shredders Shredders
Gatherers/Collectors Gatherers
Passive filter feeders Filter feeders
Predators Predators
Other feeding types Other_feeding
Ecological Substrate preference1 Boulders/Cobbles/Pebbles Boulders_pebbles
Gravel Gravel
Sand Sand
Silt Silt
Macrophytes Macrophytes
Periphyton Periphyton
Twigs/Roots Roots
Organic detritus/Litter Org_detritus
Mud Mud
Ecological Current velocity' Null (<5 cm s*') Inf_5_cm s7!
Slow (5-25 cm s~ ") 5-25_cm s~
Medium (cm s~ 1) 25-50_cm s~
Fast (> 50 cm s~ ') Sup_50 cm s7!

Trait categorizations and scores assigned according to: 'Tachet et al. (2010), *Moog (1995), ?Agem expert Consortiumn (2002)

@ Springer


http://www.freshwaterecology.info

Hydrobiologia (2021) 848:3921-3941

3927

Data analysis

Physical, chemical and hydrological characterization

of the flushing

We used the R software to build curves for the
reservoir water level, the outflow water discharge at
the dam in the Rienz River and SSC data from T1 and
T2 and to identify relative SSC peaks and mean
values. We computed cross-correlation analysis (‘ccf’
function in R) to assess the relationship between the
two turbidites and calculate lag-times. To test differ-
ences among sites in median values of water physical
and chemical variables, we used the non-parametric
Kruskal-Wallis one-way ANOVA test in R. Signifi-
cance levels below 0.05 indicate that the medians of
the sites differ.

Effects of flushing operations on taxonomic richness,
diversity and functional composition of invertebrate
communities

For each site and sampling date, we calculated the
following community metrics: density (N. ind m~2),
taxonomic richness (number of taxa), Shannon diver-
sity (as effective number of species of order g = 1;
Jost, 2006), and functional dispersion (FDis). FDis
was chosen as a measure of functional diversity that is
mathematically independent from taxa richness, and
was calculated with the FD package in R (Laliberté
et al., 2014). To calculate FDis, we first derived a
distance matrix between taxa based on their functional
traits. We used the first 8 components of a Fuzzy
Correspondence Analysis (FCA; explaining 75% of
trait variance) to ordinate taxa in the multivariate
functional space. The score of each taxon on the FCA
axes were used to construct a dissimilarity matrix
(Euclidean distances) used to calculate community
FDis.

To examine the effect of flushing on the taxonomic
composition, we used Principal Coordinate Analysis
(PCoA) based on Bray—Curtis dissimilarity of log(x +

1) invertebrate abundances using the ‘vegdist’ and
‘betadisper’ functions from the vegan (Oksanen et al.,
2019) and ape (Paradis & Schliep, 2019) packages in
R. Taxa present with density <2 ind m~? (9 taxa)
were excluded from the PCoA. A one-way Analysis of
Similarities (ANOSIM) was successively performed
with the R ‘anosim’ function to test for differences in

the invertebrate assemblages among sampling dates
using a random Monte Carlo permutations test (999
permutations). Both P and R ANOSIM values were
examined: R values > 0.75 indicated strong separa-
tion among groups, R = 0.75-0.25 indicated separate
groups with overlapping values, and R < 0.25 as
barely distinguishable groups (Clarke & Gorley,
2015). In order to assess which taxa contributed the
most to the dissimilarity between pairs of sampling
dates, and to calculate the similarity between groups of
samples and within each group, we run a Similarity
Percentage Analysis, SIMPER (Clarke, 1993), based
on the log(x + 1)-transformed abundances and the
resulting Bray—Curtis similarity matrix. Bray—Curtis
similarity scores 100 when two samples are identical,
and 0 if they have no species in common; only those
taxa contributing to 70% of the total dissimilarity
between pairs of samples were taken into account, thus
rare taxa were ignored. SIMPER was run using the
software PRIMER version 7 (Clarke & Gorley, 2015).

We used the Fuzzy Correspondence Analysis
(FCA) (Chevene et al., 1994) based on the commu-
nity-level trait proportions to assess and visualise
changes in the functional composition of communi-
ties. FCA was performed with the ade4 R package
(Chevene et al., 1994). The loadings of the trait
categories over the FCA axes were used to guide
interpretations of functional responses to flushing, and
to select traits which were further analysed with
univariate tests (see below) to formally quantify their
response. Specifically, we selected trait modalities
showing high correlation (> 10.6l) with the first two
FCA components (see Table 3).

To quantify the effects of flushing on individual
community metrics and selected trait categories, we
used Linear Mixed-Effect Models (LME) using the
nlme R package (Bates et al., 2015), including time as
fixed effect (i.e.,, ‘pre’, ‘postl’, ‘post2’) and site as
random intercept component (x4) to account for
inherent differences among locations. Traits were
expressed as proportions and were logit-transformed
before univariate tests, as recommended (Warton &
Hui, 2011). LME tests on diversity metrics and traits
modalities were not corrected for multiple testing
given the limited sample size available (N = 12).
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Results

Physical, chemical and hydrological
characterization of the flushing

The time series recorded during the flushing of the
reservoir water level, the outflow water discharge at
the dam in the Rienz River, and the SSC in Rienz and
Eisack rivers are shown in Fig. 2, while the main
results of the physical monitoring are provided in
Online Resource 4.

Mean outflow discharge as measured at the dam
outlet during the first 4 h of the flushing was 39 &+ 3
m> s~!. Before the start of the flushing, excess water
overflowed from the spillways and electricity was still
generated. Once flushing operations started, less and
less water was used for electricity production (down to
a complete stop) while the bottom gates were grad-
ually opened. As a result, the water level in the
reservoir rapidly dropped (Fig. 2a) and the outflow
discharge increased progressively (Fig. 2c), reaching
the maximum of 177 m> s~! on 13th June 2019; the
mean outflow discharge value over the entire flushing
was 103 £ 32 m’ s7! an average increase of more
1,800% respect to pre-flushing conditions (i.e., resid-
ual flow). Knowing the cross-sectional area (derived
from high-resolution bathymetry surveys coupled with
2D hydraulic modelling) and the discharge, average
water velocity for the entire flushing period was
estimated as 2 m s~ for the Rienz River in the reach
directly downstream the dam, and as 1.5 m s~! for the
Eisack River in the reach downstream the Rienz-
Eisack confluence. Estimated average bottom shear
stress within the study period in the two above
mentioned reaches were 93 and 31 N m™2, respec-
tively. Mean (£ SD) SSC recorded in the Rienz River
at T1 (369 h measurements) was 2,419 + 1,814 mg
17! (corresponding to an average increase calculated
for the total flushing period of ~ 2,500% compared to
pre-flushing conditions), with values ranging from 64
to 5,770 mg 17! (Fig. 2b, black line). SSC levels
registered in the Eisack River at T2 (441 h measure-
ments) varied between 50 and 6,500 mg 1" (Fig. 2b,
grey line), while mean SSC was 1,520 + 1,304 mg 1!
(corresponding to an average increase of 2,890%
compared to pre-flushing conditions). Overall, the
recorded data showed that the sediment wave induced
by the flushing travelled along the Rienz and into the
Eisack River almost unchanged. The slightly lower
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SSC peak measured at T1 compared to T2 was most
likely due to an underestimation occurred at the former
station—presumably caused by extremely high flow
aeration—during the few tens of minutes correspond-
ing to the SSC peak. Such interpretation was con-
firmed by auxiliary data recorded at a third monitoring
station (data not used as the station was dislodged by
the flow after 8 days of operation, thus not covering the
entire flushing event) located in close proximity to
site3. Here, the highest SSC value reached 7,000 mg
17", Sediment concentrations during winter minimum
flows in the by-passed river reach were not measured;
however, they are surely lower than those measured
during pre-flushing conditions, affected to some extent
by spring snowmelt runoff.

SSC at T2 was significantly cross-correlated with
the one measured in the Rienz River near the dam
outlet, with a relatively short time-lag (100 min). In
the first 12 h of the flushing, the mean SSC in the Rienz
River was 88 £ 23 mg 1_1, with a maximum SSC
value below 2,086 mg 1" that corresponds to a SSC
equal to 0.3% (expressed as the ratio of the SS volume
to the total flushed volume, water + sediments) as
requested by local authorities. In the following 6 h,
mean SSC values increased by 581%, reaching a mean
value of 596 + 472 mg 1_1, with peaks up to 1,336 mg
17", This was due to a release of almost clean water
(e.g., maximum SSC value was 214.73 mg 1™") during
the first 12 h from the bottom gates; after ~ 16 h from
the start of the flushing operation, SSC values peaked
at values higher than 1,000 mg 1~" (see first peak of
Fig. 2b).

The durations for selected SSC ranges are shown in
Fig. 3. Both SSC time series were characterized by
several brief peaks with values reaching 5,000-6,000
mg 1", corresponding to 4.2% and 0.6% of the overall
flushing duration according to T1 and T2, respec-
tively. The highest peaks—with SSC values exceeding
6,000 mg 1”" on five occasions- were recorded by T2
in the first 3 days of the flushing event (6,000-7,000
mg 17! SSC range, corresponding to 0.1% of the
overall duration). These short and repeated peaks,
visible in both SSC time series, were probably due to
daily variations of inflow into the reservoir, and the
sudden collapse of lateral deposited sediment banks
being gradually eroded behind the dam. Mechanical
digging (see Online Resource 1) in the reservoir was
most probably responsible for the SSC peaks visible
on 8-9 June for both SSC time series (Fig. 2b). The
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Fig. 3 Selected SSC concentration ranges (mg 17") durations
(%) calculated for SSC measured in the Rienz River (in black)
and in the Eisack River (in grey), expressed as percentage of the

range of SSC in the Rienz River was 3,000—4,000 mg
17! (29.2%) for the majority of flushing duration
(Fig. 3), the second common-most range was 100-500
mg 17! (26.7%); SSC in the Eisack River, although
characterized by the absolute highest peaks, was for
almost half of the time in the range of 100-500 mg 1™
(39.2%), followed by 1,000-3,000 mg 17" (33.8%).

The measured physical and chemical parameters of
surface water did not differ significantly in any of the
four sites and will not be discussed any further.

Effects on taxonomic and functional diversity

A total of 40,266 invertebrates, representing 58 taxa,
were collected over all sites and sampling occasions,
with a mean density of 6,842 + 5,957 ind m~?2
(mean £ SD, calculated combining all sites and
sampling occasions). ‘Pre’ samples had the lowest
mean density (2,940 £ 2,854 ind m_z), while the
highest density was found in ‘post2’ samples
(12,033 £ 7,003 ind mfz); ‘post]l’ had an intermedi-
ate mean density (5,554 £ 2,336 ind rnfz). The
number of taxa varied between 16 (site2) and 25
(site3 and site4) in ‘pre’ samples, between 20 (site3)
and 24 (sitel and site4) in ‘postl’ samples, ‘between
22 (site2 and site3) and 33 (site4) in post2’ samples.
Baetis (Ephemeroptera), and the Chironomidae family
(Diptera) were the most common taxa throughout the
three sampling periods (Fig. 4) (e.g., Chironomidae
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Duration %

overall measurement hours of each turbidimeter. The turbidime-
ter installed in the Rienz River (T1) stopped working on 06-11-
19 at ~ 19:00

represented on average more than 54% of total density
in ‘postl’ samples).

Taxa richness and Shannon diversity (Fig. 5)
declined 40 days after the end of the flushing (‘post1’),
but recovered on the longer term (‘post2’). Con-
versely, macroinvertebrate density and FDis tended to
increase over time. However, only invertebrate den-
sity differed significantly over time, particularly at the
sitel and 2 closer to the dam, showing a remarkable
increase in ‘post2’ (LME; P = 0.02, Table 2). This
was mainly due to Chironomidae, whose average
relative density increased from 31% in ‘postl’ to 57%
considering all ‘post2’ samples. Taxa richness, Shan-
non diversity and FDis were not significantly affected
by flushing (P > 0.05 for all metrics, Table 2).

Effects on community composition

The composition of the macroinvertebrate community
differed among sampling dates (ANOSIM;
R =0.6157, P =0.001), and flushing was clearly
associated with directional changes in the overall
taxonomic composition of the sites. The first two axes
of the PCoA ordination explained, respectively, 32%
and 18% of the variation; both axes defined the
temporal gradients. In fact, the PCoA plot (Fig. 6a)
shows three distinct clusters of macroinvertebrate
assemblages associated with the three sampling dates,
except for sitel in ‘post2’, which appeared more
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Fig. 5 Changes in density, richness and diversity metrics before (‘pre’), and after (‘postl’, ‘post2’) the flushing event. The large cross
indicates the mean value across sites

@ Springer



3932

Hydrobiologia (2021) 848:3921-3941

Table 2 Linear mixed
effect model (LME)
analysis results for
community metrics
(density, taxa richness,
Shannon diversity and
FDis) associated with
sampling dates, and selected
invertebrate trait modalities
(with related traits in
brackets) associated with
sampling dates

The asterisks indicate
P values < 0.05

General form of random
intercept model

YU=ﬁ0+ﬁ|X,'j+Mj+8,-j
with

Y;; = response variable for
observation i in group j

Xj; = fixed factor for
observation i in group j

i = observations (x12)
J = groups (x4; sites)

u; = Random

Response variable Factor Beta (SE) P value
Density postl 0.94 (0.5) 0.120
post2* 1.6 0.020
Taxa richness postl —1.2(1.9) 0.540
post2 3.7 0.090
Shannon diversity postl — 213 (1.3) 0.170
post2 - 12 0.410
Functional dispersion (FDis) postl 0.1 (0.1) 0.610
post2 0.2 0.28 0.180
Size 2_4 cm* postl 0.833 (0.3) 0.030
(maximum potential size) post2 0.820 0.030
Mud* postl 1.35 (0.2) 0.020
(substrate preference) post2 1.650 0.001
Periphyton* postl 1.28 (0.43) 0.024
(substrate preference) post2 1.45 0.015
Shredders postl — 1.03(0.44) 0.060
(feeding type) post2 — 1.740 0.007
Filter feeders* postl 2.63 (0.6) 0.004
(feeding type) post2 2.670 0.004
Passive swimmers* postl 1.80 (0.4) 0.008
(locomotion type) post2 1.540 0.010
Sessile organisms* postl 1.80 (0.4) 0.003
(locomotion type) post2 1.800 0.003

term; ~ N(O,azu)

closely associated with samples from ‘postl’. Fig-
ure 6a shows that 40 days after the event (‘postl’),
communities shifted along the first PCoA axis, but
then showed a weak recovery towards pre-flushing
conditions at ‘post2’, shifting along the second PCoA
axis.

The results of the SIMPER analysis (Online
Resource 3) listed the following taxa as characterizing
the ‘pre’ samples Ephemeroptera Ecdyonurus sp.
(total abundance 347 ind m™2), the Trichoptera
Rhyacophila aurata Brauer, 1857 (81 ind mfz), the
Plecoptera Isoperla sp., (67 ind m™2), Protonemoura
sp. (1,742 ind m~?), and Leuctra sp. (272 ind m™),
and the Diptera Dicranota sp. (119 ind m_z). A more
diverse assemblage characterized the post samples:
the Trichoptera Hydropsyche sp. (70 ind m™?),
Hyporhyacophila spp. (22 ind m™2), Pararhyacophila
spp. (20 ind m~?), juvenile Ephemeroptera (3,260 ind
m~?), and Diptera Blephariceridae (143 ind m~?) in
‘postl’; the Trichoptera Rhyacophila sp. (488 ind
m~2), Rhyacophila gr. dorsalis (28 ind m~?), Hy-
dropsyche angustipennis (Curtis, 1834) (22 ind m—>)
and unidentified juveniles (126 ind m™?), the

@ Springer

Ephemeroptera Rhithrogena sp. (980 ind m~?), and
Baetis sp. (15,088 ind nfz), the Plecoptera Capnopsis
schilleri (Rostock, 1892) (68 ind m™?), and uniden-
tified juveniles (2,946 ind m_z), Diptera Simuliidae
(8,009 ind m_z) and Ceratopogonidae (85 ind m_z),
Crustacea Ostracoda (150 ind mfz) and Cladocera (62
ind m™?) in ‘post2’.

The lowest similarity was observed between ‘pre’
and ‘post2’ samples (i.e., the smallest Bray—Curtis
similarity between samples, 59.24), while the largest
occurred between ‘postl’ and ‘post2’ (i.e., Bray-
Curtis similarity between samples, 65.46). The anal-
yses also indicated that ‘postl’ samples where the least
variable spatially (i.e., highest Bray—Curtis similarity
within samples, 74.18), ‘post2’ the most variable (i.e.,
lowest Bray—Curtis similarity within samples, 64.70),
while the ‘pre’ samples had an intermediate similarity
value (68.88). This was further supported by the
“betadisper” analysis, which showed that average
distance to group centroid was 0.19, 0.15 and 0.21,
respectively, for ‘pre’, ‘postl’ and ‘post2’ samples,
further supporting the homogenisation effect of the
flushing observed after 40 days, followed by a
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Fig. 6 a PCoA plot of benthic macroinvertebrate communities
based on Bray—Curtis dissimilarity. Numbers indicate site
identity and polygons depict the three sampling dates. b FCA
plot of macroinvertebrate functional composition, as described

divergence after approximately 2.5 months (i.e., 74
days).

The trajectory of individual sites in multidimen-
sional space differed. In particular, the FCA plot
(Fig. 6b) suggests that changes in sitel were more
substantial in terms of functional composition. The
first two axes of the FCA explained, respectively, 63%
and 23% of the variation in functional space. Flushing
was associated with a shift along the first FCA axis, as
we all a substantial shift of sitel along the second axis.
Table 3 reports the loadings of each trait modality on
the two axes, which were used to select specific trait
modalities (with loadings > 10.6] on axisl; Table 3)
for subsequent univariate LME tests. The LME
models (Table 2) showed that flushing was associated
with an increase in the relative proportion of taxa with
large body size (size 2—4 cm), with sessile life (sessile
organisms) or passive swimmers (passive swimmers),

post1 post2

b

FCA2 (23%)

FCA1 (63%)

by the traits categories and modalities listed in Table 1. Crosses
within the polygons indicate the group (date) centroid. Dashed
grey line shows the trajectory of compositional changes during
the flushing event

taxa living preferentially in muddy substrates (mud)
and on periphyton (periphyton). Effects on feeding
traits were also evident; passive filter feeders
increased (filter feeders) and shredders decreased,
with significant decline at ‘post2’ (shredders), partic-
ularly at sitel (Fig. 7). Figure 7 shows the response of
selected trait modalities to the flushing.

Discussion

Characteristics of the flushing event

Suspended sediments increased remarkably in the
studied sections of the Rienz and Eisack Rivers during
the 19-day sediment flushing event from the Rio di

Pusteria reservoir. The registered SSCs were in line
with turbidity values observed during a natural flood
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Table 3 Loadings of the trait modalities on the first two FCA
axes

FCA axisl FCA axis2
Size 0.25-0.5 cm 0.54 0.00
Size 0.5-1 cm — 0.08 0.02
Size 1-2 cm 0.05 — 0.05
Size 24 cm 0.61 0.10
Eq_1_year — 0.05 0.00
Sup_1_year 0.47 —0.03
Aq_passive 0.00 0.02
Aq_active 0.01 0.07
Aerial_passive — 0.02 —0.11
Aerial_active 0.00 — 0.04
Passive swimmers 0.66 0.06
Divers —0.17 —0.11
Burrowers 0.30 — 0.07
Walkers 0.10 — 0.01
Sessile organisms 0.67 0.05
Other_loc — 034 1.00
Grazers — 0.16 — 0.09
Shredders — 0.80 1.00
Gatherers —0.23 —0.10
Filter_feeders 0.89 0.17
Predators —0.22 — 0.16
Other_feeding —0.21 - 0.67
Boulders_pebbles 0.07 0.01
Gravel 0.06 —0.11
Sand —0.03 — 0.01
Silt — 0.01 - 0.29
Macrophytes — 0.09 0.04
Periphyton 0.79 0.07
Roots — 0.06 — 0.05
Org_detritus — 0.04 0.14
Mud 0.65 0.01
Inf 5_cm s~ 0.40 —0.10
5-25_cm s - 0.08 0.02
25-50_cm s~ 0.01 - 0.02
Sup_50 cm s~ 0.03 0.01

Values > 10.6] are underlined. Traits codes as in Table 1

such as the windstorm Vaia that hit NE Italy on 27-30
October 2018; on that occasion, SSC in the Eisack
River peaked at 11,700 mg 1~' with mean values over
2,800 mg 1! (SSC measured in Bolzano-Bozen, data
provided by the Hydrographic Office of the
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Autonomous Province of Bolzano-Bozen). Yet, the
duration of the 2019 flushing was much longer than
what is naturally experienced by riverine invertebrates
(e.g., the windstorm Vaia) in such a regulated river
system.

Hypothesis 1: flushing causes a rapid decline
in invertebrate diversity

In our study, we did not observe a significant decline in
overall diversity, but rather an increase in density 74
days after the flushing in the sites closest (3.5-7 km) to
the dam. In the sites located 11-19 km from the dam,
after an initial increase in density 40 days after the
flushing, densities increased negligibly or slightly
decreased after 74 days. Thus, the 1st hypothesis is
only partially supported by sitel displaying a decline
in density, but a subsequent rapid recovery to higher
density after 74 days. Also, no clear evidence was
found that the impact of flushing would reflect sites’
proximity to the dam in terms of diversity metrics,
with a general decline 40 days after the flushing, but a
recovery after 74 days.

Sediment flushing is necessarily associated with
increases in discharge (and associated increases in
shear stress and substrate mobilization), variations of
suspended sediment load and accumulation of fine
sediment when the discharge decreases once opera-
tions are terminated. The individual effects of these
factors (Gibbins et al.,, 2007a; Doretto et al.,
2016, 2018; Béjar et al., 2017) are difficult to
disentangle, but flushing operations generally have
short-term impacts on benthic communities, typically
represented by a reduction of density and richness
immediately after the event (Espa et al., 2019). In a
recent review of ten controlled sediment flushing
operations carried out in the central Italian Alps, Espa
et al. (2019) reported a decrease in macroinvertebrate
density of more than 70%, and a drop in richness by
10-60% about one month after the flushing. The same
study reports a recovery time ranging from 3 to 6
months, depending on the sediment dose (sensu
Newcombe & Jensen, 1996), the flushing season, the
persistence of the riverbed alteration, and the possible
recolonization from unaltered upstream reaches (Espa
etal., 2019, and references therein). The recovery time
considered in our study (about 2.5 months) is therefore
shorter than those reviewed by Espa et al. (2019); but
the characteristics of the Rio di Pusteria reservoir, the
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Fig. 7 Selection of trait modalities showing significant responses to flushing

related hydropower plant, and the flushing event are
only partly comparable to those reviewed by the
authors. Despite the average suspended sediment
concentration recorded during the flushing was in the
range of those observed by Espa et al. (2019), the mean
discharge was much higher (103 m* s~ vs. 1-70 m*
s_l), as was the total amount of flushed sediment
(~ 265107 tvs. 4.6-74.9 10 t). Deposition of around
4-5 kg m~ 2 or less of fine sediments can significantly
affect benthic assemblages (Larsen & Ormerod, 2010;
Larsen et al., 2011), while sediment pulses can trigger
massive drift independently from discharge variation
(Bruno et al., 2016). Therefore, we did expect a
relatively stronger response of macroinvertebrates to
flushing in this study. However, the minor effects
recorded on taxonomic metrics might be due to the
greater discharge, which certainly helped in reducing
the amount of deposited fines. In the several case
studies analysed by Espa et al. (2019), faster recovery
was in fact recorded at sites where freshwater releases
from tributaries were used as mitigation measures. Our

results appear to support the results of Espa et al.
(2019), i.e., seasonality and site characteristics were
more relevant than the sediment dose in determining
the macroinvertebrate communities recovery to pre-
flushing conditions.

Hypothesis 2: flushing causes a homogenisation
of the macroinvertebrate taxonomic assemblages

This hypothesis was fully supported as the combina-
tion of increased SSCs and discharge during the
flushing was associated with an initial homogenization
of macroinvertebrate communities, followed by a
divergence in composition. As hypothesised, the
flushing disturbance likely increased the longitudinal
connectivity of the rivers network, promoting organ-
isms’ dispersal between up- and downstream commu-
nities, as suggested by the increased similarity among
the sites 40 days after the event. Besides the relatively
short-term homogenizing effect, the flushing substan-
tially changed the overall composition of the
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communities, which did not recover to pre-disturbance
conditions even after 74 days.

A large, unpredictable flow disturbance like a
19-day flushing event may indeed represent a domi-
nant structuring force for stream ecosystems, effec-
tively resetting assemblages to earlier successional
stages (Death, 2010; Larsen et al., 2019). However, it
is difficult to determine whether the observed effects
of flushing were linked to higher concentrations of
suspended solids (Doeg & Milledge, 1991) or to an
increase in hydraulic force (Gibbins et al., 2007a) or to
their interaction (Béjar et al., 2017). Although we did
not directly measure it, invertebrate drift—either
active, also called behavioural, or passive, also named
catastrophic or mass drift—may be the likely mech-
anism driving the observed patterns. The direct effect
of increased flow velocities and bottom shear stress
during the first phase of the Rienz flushing likely
represented alone a disturbance to the benthic com-
munities, which was capable to trigger bed-movement
and initiate invertebrates drift, as previously shown by
Bond and Downes (2003) in flume experiments.
Similarly, Gibbins et al. (2007a) found that once
shear stress exceeds the threshold of 9 N m ™2, bedload
transport occurs and invertebrates drift increases.
Given that we estimated peak shear stress values
around 31-93 N m_z, rapid invertebrate drift is likely
to have occurred during the initial phase of flushing.
Moreover, experimental studies showed that, at a
given discharge, the transport of sediment added to
streams can increase the rate of behavioural drift,
causing subsequent declines in benthic abundances
(Culp et al., 1986; Doeg & Milledge, 1991). Hence,
most likely, the compositional responses to flushing
that we observed are due to the combined effect of
increased suspended loads and discharge.

Hypothesis 3: flushing affects sediment and flow
sensitive taxa and changes the functional
composition of the macroinvertebrate assemblages

Observed changes in taxonomic (and functional)
composition indicated that flow and sediment-sensi-
tive taxa were particularly impacted by the flushing
operations.

The taxa which were abundant and mostly associ-
ated with the ‘pre’ flushing samples were the Ple-
coptera Protonemoura sp., Leuctra sp., and the
Ephemeroptera Ecdyonurus sp. The latter belongs to
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the Heptageniidae family, which is known to be highly
sensitive to fine sediments (Extence et al., 2013;
Turley et al., 2016). Although well adapted to tolerate
high flow velocities and shear stress (i.e., possessing a
dorso-ventrally flattened body that reduce the risk of
dislodgement, Lancaster & Belyea, 2006), species of
the genus Ecdyonurus require clean substrate surfaces
for feeding (Rabeni et al., 2005), and show indeed high
propensity to drift when fine sand is deposited on the
riverbed (Larsen & Ormerod, 2010). Only about 10%
sediment cover is considered stressful for most
Ecdyonurus sp. (Bryce et al., 2010). Similarly, indi-
viduals of the Protonemoura sp. might have become
rare in the ‘post’ samples because of the effect of
deposited and saltating fines that reduce the quality
and availability of coarse and fine particulate organic
matter from which they feed on (Navel et al., 2010;
Doretto et al., 2017), and all Plecoptera are well
known for requiring clean and well oxygenated waters
with low turbidity (Chapman, 1996). These results are
partly comparable to those of Espa et al. (2013) who
monitored a sequence of 2-weeks yearly flushing over
3 years, and recorded a decrease in macroinvertebrates
diversity associated with the loss of species sensitive
to increased riverbed shear stress, such as Heptageni-
idae. All these sensitive taxa characterizing the ‘pre’
samples strongly declined in abundance after the
flushing. The remaining taxa/individuals present in the
‘post’ samples were those that either resisted/survived
the flushing, or recolonized the reaches after the event.
The ‘post’ flushing benthic communities were mainly
composed of Trichoptera Rhyacophila sp. and Hy-
dropsyche sp. (the latter present only in the ‘post’
samples), the Ephemeroptera Rhithrogena sp. and
Baetis sp., juvenile Ephemeroptera and Plecoptera,
and Diptera Simuliidae. The high abundance of
juveniles was possibly related to the phenology of
the taxa which are typically bivoltine, with the second
generation developing during summer to emerge in the
fall; early larval instars often dominate in the shallow
hyporheic sediment where they are sheltered from
impacts occurring above in the benthic zone (Stub-
bington, 2012), thus increasing their chance of
surviving the flushing. As reported in literature (Jones
et al., 2012, and references therein), the taxa most
likely to drift during high loads of suspended fines are
either ubiquitous, opportunistic taxa with high mobil-
ity (e.g., Baetidae, Rhithrogena sp.), or filter feeders
whose guts fill with inert particles (e.g., Simuliidae),
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or whose nets become clogged with fine sediments
(e.g., Hydropsychidae). This might explain the high
abundances of Baetis sp., Simuliidae and the exclusive
presence of Hydropsyche sp. in the ‘post’ samples,
which could have drifted from the upstream reaches
during the flushing. Rhyacophilidae are among the
main predators of Simuliidae (Malmgqvist & Sack-
mann, 1996), and the greater abundance of Rhya-
cophilidae in ‘post’ samples may also be related to the
high abundance of prey (i.e., Simuliidae, among
others).

Even though we excluded Chironomidae from our
functional analysis, and this taxon is known to be
highly adapted to live in fine sediments (Wood &
Armitage, 1997), we detected important changes in the
functional structure of macroinvertebrate communi-
ties after the flushing. In fact, the functional analysis
indicated that flushing greatly altered the relative
proportion of feeding traits at the upstream-most site
(3.5 km from the dam), with a dramatic reduction in
shredders up to 74 days after the event. Taxonomic
changes caused by the flushing were accompanied by
evident functional shifts, because the environmental
changes associated with the flushing event represented
selective filters that favoured relatively large body-
sized taxa, taxa displaying high affinity for mud and/or
periphyton substrates, which were either tightening to
hard substrate, plants or other animals or drifting
passively, and primarily filter-feeding on suspended
FPOM. Conversely, shredders appeared particularly
affected. The fact that relatively large body size
organisms were favoured by the flushing disturbance
may suggest that this trait modality could be associ-
ated with a sessile or clinging behaviour of taxa such
as Simuliidae and Trichoptera Rhyacophila sp. and
Hydropsyche sp. characterizing the ‘post’ samples.
However, Wilkes et al. (2017) analysed the fine
sediment indices commonly used in biomonitoring
and found that body size was not an informative trait.
Wilkes et al. (2017) also reported ‘shredder’ as the
only trait which was constantly associated with
sensitivity to fine sediment, possibly due to the burial
of leaf litter and/or the reduction in its nutritional
quality through inhibition of fungal growth (Wilkes
et al., 2017). Similarly, Doretto et al. (2016) investi-
gated a low-order Alpine stream and reported how the
increase of fine sediment reduced the amount of coarse
particulate organic matter, and this consequently
affected the abundance of invertebrate shredders.

These data are consistent with our results which
indicated that flushing greatly altered the relative
proportion of feeding traits at sitel, with a dramatic
reduction in shredders up to 74 days after the event.

Besides altering streambed habitat structure, sedi-
ment flushing from dams can also release large
amounts of nutrients that can promote periphyton
growth in-stream (Asaeda et al., 2015). This could
explain the observed increase in the proportion of taxa
using periphyton as a habitat rather than food. Taxa
swimming passively could be favoured by their ability
to search shelter in more protected areas such as
riparian vegetation (Robinson et al., 2004), and
promptly recover after the disturbance ceases. The
increased abundance of sessile organisms after the
flushing could also reflect their ability to withstand
high flows and scour. Taxa able to adhere to hard
substrata by means of suckers or adhesives body parts,
for example, and to avoid fine sediment transport
disturbance via deliberately drifting downstream,
display higher resistance and resilience compared to
those invertebrates entrained in the water column
along with fine sediment (Gibbins et al., 2007b).

We recorded an increase in density of filter-feeder
Simuliidae after the flushing event. Although the
transport of fine sediments is considered detrimental to
filter-feeding organisms such as blackflies (Jones
et al., 2012), a significant increase in filter feeders
could reflect the higher availability of suspended
particles (Fuller et al., 2010), and the higher densities
recorded after the flushing could represent a trade-off
between the risk of damages to the filtering devices
and the higher availability of suspended food particles.
Alternatively, the high densities of blackflies recorded
after the flushing may be associated to phenology (i.e.,
Simuliidae are mainly bivoltine in the investigated
geographical area, with the second generation quickly
developing in summer) and to behavioural drift from
upstream reaches. Naman et al. (2016) pointed out that
the first flow-related threshold increasing catastrophic
drift is represented by a critical level of shear stress
causing organic matter entrainment, with animals
using detritus or algal mats as substrate. Bruno et al.
(2016) listed Simuliidae as one of the dominant taxa
drifting behaviourally during a simulated sediment
flushing.
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Conclusions

This study showed that pulse disturbance such as
flushing events can have immediate and lasting
consequences on bottom dwelling organisms, with
potential implications for food web and ecosystem
dynamics (Ledger et al., 2012). Although the effects
on diversity were apparently moderate, compositional
and functional changes were evident and persisted for
more than 2 months, with full recovery to pre-
disturbance conditions not yet observed, at least for
the time span of the study (i.e., 84 days in total).

In conclusion, our results suggest that the recovery
of invertebrate communities from a pulse disturbance
in dammed rivers can have complex recovery time
frames; compositional recovery in fragmented sys-
tems such as dammed rivers is expected to be slower
compared to more open systems where dispersal from
un-impacted reaches is allowed. This supports the
hypothesis that sensitive species need longer recovery
time, and further indicates that in the absence of
functional redundancy, i.e., substitution of one species
with another performing similar roles in communities
and ecosystems (Rosenfeld, 2002), altered species
composition jeopardises the full functional recovery.
Finally, our analysis demonstrates that resistance traits
of pioneer and sediment-tolerant taxa are important for
the persistence of invertebrate communities after a
reservoir sediment flushing.

Studies specifically assessing the ecological effects
of dam flushing operations are limited in number (e.g.,
Crosa et al., 2010; Gomi et al., 2010; Doretto et al.,
2019; Espa et al., 2019), and this study provides
further insights on their potential ecological impacts.
Results indicate that managing reservoir siltation
through flushing operations can significantly alter
macroinvertebrate assemblages up to 2.5 months after
the operation, with little sign of recovery.

As dam management operations to desilt reservoirs
are likely to become more frequent due to the
combined effects of climate change and flow abstrac-
tion on sediment transfer (Bakker et al., 2018), we
argue that coordinated and standardised effort is
needed to investigate the ecological implications over
the longer terms, and in different ecological settings.
This could provide the basis for implementing more
sustainable management schemes, also in highly
regulated streams such as those investigated here.
Different flushing management (e.g., shorter but more
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frequent flushing mimicking natural sediment regimes
for each specific river) and different timing of
operations (e.g., after the emergence period of more
sensitive species) would likely lead to different
ecological implications, but this needs to be properly
verified by monitoring several flushing under different
structural and operational conditions.
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