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Acute salt stress promotes altered assembly dynamics
of nascent freshwater microbial biofilms
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Abstract Freshwater ecosystems are under increas-

ing threat of salinization due to human activity. Given

the contributions of microbial communities to stream

ecosystems, it is critical to understand how these

communities are affected by the increasing presence

of salt in the environment. We used an artificial stream

system to investigate how salt concentrations repre-

senting the 95th- and 99th-percentile of concentrations

observed in NE Ohio streams affect bacterial commu-

nity succession and what implications this has on

community-level functional capabilities. We hypoth-

esized that the successional trajectory of community

functionality (in the form of extracellular enzyme

activity) and structure (via denitrification gene abun-

dances and community 16S rRNA gene profiles)

would be altered in response to increasing salt

concentrations. We observed considerable structural

changes in bacterial composition among treatments

that corresponded with niche expansion by more salt-

tolerant taxa. Increases in denitrification gene abun-

dances and modifications to extracellular enzyme

activity were also observed. These data suggest that

continued salt pollution can dramatically affect com-

munity structure and has the potential to modify the

functional contributions of the bacterial community to

the ecosystem.

Keywords Bacterial biofilm succession �
Freshwater salinization � Denitrification genes

Introduction

Increasing concentrations of inorganic salts (hereafter

salts) in the environment are closely linked to human

activity. Salt contributions from point (e.g., waste

water treatment plant effluent, etc.) and nonpoint

sources, such as road deicing agents (e.g, MgCl, NaCl)

in snow-affected areas (Corsi et al., 2015; Roy et al.,

2015; Evans et al., 2018), agricultural practices

(Williams, 2001), and industrial water uses (e.g.

mining and natural gas extraction; Cañedo-Argüelles

et al., 2012), have resulted in an increase in the

salinization rates of streams globally (Kaushal et al.,

2018) as well as the diversity and concentrations of

inorganic salts in the environment (Cañedo-Argüelles
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et al., 2016; Hintz & Relyea, 2017; Schuler et al.,

2017). When coupled with landscape modifications

that increase overland water flow (such as in agricul-

tural [e.g, tile drainage] and urban systems [e.g,

expansion of impervious surfaces]), highly soluble

salts are readily transported from the site of origin to

surface and subsurface waters (Kaushal et al., 2005;

Lax & Peterson, 2009). Although dilution and down-

stream export may occur, elevated salt concentrations

can persist in the environment well beyond their initial

introduction to the system, thereby increasing back-

ground concentrations (Lax & Peterson, 2009; Corsi

et al., 2015).

Salt stress can be detrimental to freshwater micro-

bial communities, altering community composition

and diminishing critical community and ecosystem-

level processes. Increased salinity can dramatically

modify aquatic chemistry (Duan & Kaushal, 2015),

affecting cation exchange capacity of stream sedi-

ments leading to increases in base cations, NH4
?

(Baldwin et al., 2006), dissolved organic carbon,

nitrogen (Duan & Kaushal, 2015), phosphorus (We-

ston et al., 2006), and metals (Löfgren, 2001; Kim &

Koretsky 2013). Subsequent physiological stress

caused by osmotic imbalances in ionic concentrations

can be detrimental to microbes that lack morpholog-

ical or physiological adaptations necessary to maintain

cellular homeostasis under elevated salinity (Hart

et al., 1991; Sleator & Hill, 2002). For bacteria, this

often entails energy-intensive accumulation or pro-

duction of osmolytes within the cell to achieve

osmotic equilibrium with the external environment

in addition to those required for basal cellular

functioning (Oren, 1999; Sleator & Hill, 2002; Sévin

et al., 2016). This balancing act between equilibration

and cellular functioning can lead to an increased

incidence of dormancy or possible extirpation from

the local environment (Logares et al., 2009; Aanderud

et al., 2016).

Examinations of microbial communities along

naturally occurring salinity gradients have observed

altered or diminished functional capacity occurring

with increasing salinity. For instance, Dupont et al.

(2014) identified several core metabolic processes and

pathways (via occurrence and frequencies of KEGG

functional modules) that appear to diverge along

salinity gradients, suggesting that a strong environ-

mental selection for genetic and functional character-

istics takes place in response to salinization. In

particular, respiratory and glycolytic pathway speci-

ficity (e.g., reliance on the Embden-Meyerhof-Parnas

versus the Entner-Doudoroff glycolytic pathways)

appear to be closely linked to salinity concentrations,

indicating that energy dynamics may be compromised

under altered salt concentrations. Moreover, the

activity of extracellular enzymes responsible for

resource and nutrient acquisition may be negatively

affected as priorities shift from enzyme production to

osmoregulation, thereby limiting nutrient or C uptake

(Rietz & Haynes, 2003; Servais et al., 2019). As a

result, modified nutrient acquisition strategies and

requirements of salt-affected populations may further

disrupt nutrient cycling, thereby extending the impacts

of salinity beyond the site of initial impairment. For

instance, Wang et al. (2018) identified significant

reductions in nirK and nosZ gene abundances in

mangrove sediments that had elevated salinity levels,

suggesting that the denitrifier community and corre-

sponding functional potential is likely affected by

strong environmental selection. In addition, a number

of functional attributes of communities, such as

denitrification (Weston et al., 2006; Franklin et al.,

2017), methanogenesis (Osaka et al., 2008), bacterial

productivity, and respiration (Dupont et al., 2014), and

extracellular enzyme activity (Reed and Martiny,

2013) are negatively affected by increasing salinity,

indicating that both potential (e.g. KEGG profiles and

denitrification gene abundances) and realized (e.g. N

reduction, C oxidation, etc.) community contributions

to ecosystem function are affected. While these results

may be attributable to physiological constraints under

saline stress, it may also reflect increased bacterial

dormancy as ameans of weathering an inhospitable en-

vironment (Logares et al., 2009; Aanderud et al.,

2016)

Patterns in bacterial phylogenetic diversity have

also been closely linked to salinity, indicating strong

environmental selection for lineages capable of with-

standing elevated saline conditions (Lozupone &

Knight, 2007). Likewise, along the salinity gradient

of estuaries, there are phylum-level compositional

shifts (from Betaproteobacteria and Actinobacteria to

a-Proteobacteria dominated communities) with

increasing salinity (Bouvier & del Giorgio, 2002;

Fortunato et al., 2011; Telesh & Khlebovich, 2010;

Campbell & Kirchman, 2012). Similar high-level

taxonomic responses have been observed in recipro-

cally transplanted wetland communities from low- and
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high-salinity environments (Morrissey & Franklin,

2015). These patterns suggest that the divergence in

salinity preferences occurred early in bacterial evolu-

tionary history and that despite the presence of

halotolerant lineages within many phyla, indigenous

freshwater or marine clusters are likely to have arisen

that have remained relatively isolated due to a saline-

induced marine-freshwater colonization barrier

(Zwart et al., 2002; Logares et al., 2009; Morrissey

& Franklin, 2015).

The potential impact of salinization on freshwater

microbial communities has not been widely consid-

ered despite continued freshwater salinization

(Kaushal et al., 2018). As a result, many of the

inferences made about freshwater community

response are based on data from naturally occurring

salinity gradients (i.e., in estuaries) and may have little

bearing on freshwater ecosystems. Specifically, halo-

tolerant taxa are likely present along natural salinity

gradients due to the proximity to saline environments

(Campbell & Kirchman, 2012; Dupont et al., 2014);

thus, it is important to consider the effects of

salinization on freshwater communities where halo-

tolerant populations may not be present or may be

present in reduced quantities. Furthermore, the

response of these communities to elevated salinity

during the early stages of community assembly has not

been established despite the implications for commu-

nity development. This early phase of colonization is

especially significant as the order in which individuals

arrive influences assembly trajectories (via priority

effects or niche differentiation; Samuels & Drake

1997; Fukami & Wardle, 2005; Lear et al., 2012),

thereby affecting patterns of community composition

and functional diversity (Tolker-Nielsen & Molin,

2000; Ren et al., 2018). Moreover, many of the

bacterial taxa (e.g. b-Proteobacteria) responsible for

ecologically relevant processes, such as denitrifica-

tion, may be established early during succession

(Manz et al., 1999; Araya et al., 2006) as anoxic

microenvironments are created during biofilm bio-

mass accrual (Stoodley et al., 2002; Lawrence et al.,

2007)—a process that may be inhibited by osmotic

stress (Bazire et al., 2007; Katebian & Jiang, 2013;

Kim & Chong, 2017).

To address these unknowns, controlled laboratory

experiments were carried out using recirculating flume

microcosms to examine bacterial community assem-

bly dynamics during early colonization under the

stress of freshwater salinization. We hypothesized that

salinization (as represented by the sum of total

dissolved solids within the stream/flume water; here-

after TDS [CWT, 2004]) would affect both the

function and structure of the bacterial community.

First, we hypothesized there would be reduced extra-

cellular enzyme activity (EEA) associated with ele-

vated TDS (H1). We predicted that this would alter

both individual EEA as well as EEA ratios, thus

providing insights into the general resource require-

ment of the affected communities. Quantities of genes

associated with denitrification (specifically those

associated with nitrite [nirS] and nitrous oxide [nosZ]

reduction) were also hypothesized to decrease as a

function of TDS concentrations (H2). Although den-

itrification is typically associated with anaerobic

environments, many bacterial populations responsible

for ecologically relevant processes (e.g. b-Proteobac-
teria) become established early during succession

(Manz et al., 1999; Araya et al., 2006). This is likely in

part due to their metabolic plasticity which may permit

transitions from aerobic to anaerobic lifestyles

(Robertson & Kuenen, 1984; Arnon et al., 2007;

Lycus et al., 2018), but also as the result of anoxic

microenvironments developing within biofilms as

biomass accrues (Stoodley et al., 2002; Lawrence

et al., 2007). We predicted that a reduction in

denitrification gene abundance would likely reflect

the decreased denitrification often observed under

saline stress (Irshad et al., 2005; Rath et al., 2016) or

the inhibitory effects of elevated salinity on biofilm

biomass accrual (Bazire et al., 2007; Katebian &

Jiang, 2013; Kim & Chong, 2017). Finally, we

hypothesized that alterations in community composi-

tion would occur such that taxa capable of tolerating

elevated salinity become more prevalent while more

sensitive taxa are extirpated (H3) as conditions are

likely to exceed the functional operational range

(Hallin et al., 2012) typically experienced by coloniz-

ers under ambient conditions. We predicted this would

result in reduced a-diversity with increasing TDS

concentrations and that communities would become

increasingly dissimilar (as characterized by b-diver-
sity) with increasing salinity. Taxa present in all

samples were considered to be tolerant to the ranges of

salinity examined here, while taxa absent from either

the controls or the highest TDS flumes were assumed

to be obligate freshwater or saline, respectively.
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Materials and methods

Nine recirculating laboratory flumes were constructed

with three replicates per treatment run simultaneously.

The flume design was chosen because of its ability to

reproduce unidirectional flow patterns similar to those

found in lotic systems and reproducibility of results

(Singer et al., 2006; Besemer et al., 2007). Further, this

design simulates a stable hydrologic state while being

able to maintain control of the community and

environmental conditions, which is not possible in

environmental studies.

Flumes were constructed from 1.3 m lengths of

30.8 mm9 76.2 mm vinyl rain downspouts, of which

one 1.3 m 9 76.2 mm side was removed to create an

open channel with a total possible volume of 3 l. Three

18.93 l buckets were acid-washed and cleaned with

10% bleach solution before being used as treatment-

specific feeder/collection tanks that were shared

among the three replicates (Supplemental Figure 1).

For each treatment, water was pumped from a feeder

tank using a Sicce Syncra Silent 3 Multifunction

Aquarium pump into each of the replicate flumes and

effluent was collected in treatment-specific tanks

before being recirculated back into the flumes. A

portable water flow meter was used to establish mean

flume water velocity of approximately 0.1625 m s-1

(Marsh/McBirney Electromagnetic FlowMeter model

201). Each flume contained two rows of 52 9

2.54 cm2 ceramic tiles that had been baked in a muffle

furnace at 500�C for 4 h and then autoclaved prior to

placement. Tiles within the first and last 10 cm of the

flume were not disturbed over the course of the

experiment as a means of normalizing flow patterns

upstream and downstream of the sampling area. Each

set of flumes was equipped with a 1.22-m linear light

containing two GE 32 W 6500 K Natural Daylight

Fluorescent bulbs which were set to a 12-h:12-h

light:dark cycle.

Experimental design

To select an appropriate range of treatment concen-

trations, water quality data from the Erie/Ontario Drift

and Lake Plain Level III Ecoregion of Ohio (Omernik,

1987), with Lake Erie serving as the northernmost

boundary and 82� W longitude as the westernmost

boundary, were obtained from the Water Quality

Portal database (https://www.waterqualitydata.us;

accessed 09/12/16). Due to the vast number of

potential chemical constituents contributing to envi-

ronmental TDS, Cl- was chosen as a proxy for TDS for

the purpose of manipulating water quality in the lab-

oratory and was significantly correlated with TDS in

the regional data (P\ 0.05, r = 0.84). Summary

statistics were calculated for Cl- concentrations and

two treatment values were chosen that were repre-

sentative of the 95th (306.5 mg l-1), and 99th

(1650 mg l-1) percentiles from the region.

The experiment was run 3 times, with each iteration

lasting a total of 9 days. At the start of each iteration

(day 0—09/23/2016, 10/03/2016, and 10/12/2016),

water and microbial communities were collected from

a 5th-order reach (Strahler, 1964; Peck, 2012) of the

Cuyahoga River at Waterworks Park in Munroe Falls,

OH, a developed/suburban area within the larger

Akron Metropolitan area and located in the temperate

Erie/Ontario Drift and Lake Plain ecoregion of

northeast Ohio. Previous assessments of macroinver-

tebrate communities from this reach suggest it is of

relatively high-quality and thus suitable for this study.

Additional water was collected from the Cuyahoga

River site to replace the header tank water on day 4 of

each experiment to ensure adequate nutrients were

available for community development and to account

for any shifts in composition of the pool of potential

colonizers. Mean historical Cl- concentration

(89.3 mg l-1) was used as the baseline condition for

the duration of this study. Water samples were

collected and placed on ice for transport back to the

laboratory.

Upon returning to the laboratory, water samples

were combined and thoroughly mixed to minimize the

heterogeneity of the community. Equivolumes of

water (15 l) were distributed among the header tanks

of each set of experimental flumes. Flumes were

assigned to either control or treatment groups, and

treatment groups were amended with NaCl so that the

final Cl- concentrations of the water in all three header

tanks were representative of baseline (89.3 mg l-1;

hereafter the control), 95th (306.5 mg l-1; hereafter

the 95% treatment), or 99th (1650 mg l-1; hereafter

the 99% treatment) percentile conditions. On day 4

water in the tanks was replaced with additional water

(as previously discussed) and once again amended

with Cl- so as to establish previous treatment

concentrations.
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Sample collection and analysis

Environmental conditions, including dissolved oxy-

gen (DO), conductivity (normalized for temperature),

pH, redox potential, and temperature, were measured

at days 0 and 4 (Table 1) for each treatment using a

handheld Hach HQ40d multiprobe unit (Hach, Love-

land, CO, USA). Over the course of each experiment,

water samples were collected from each flume at 2-day

intervals on days 1, 3, 5, 7, and 9 to determine nutrient

(NO3
- and NH4

?) concentrations and TDS. Nutrient

concentrations were determined using the 96-well

plate method (Ringuet et al., 2011) and quantified on a

Synergy 4 microplate reader (BioTek, Winooski, VT,

USA) at 540 and 630 nm for NO3
- and NH4

?,

respectively. TDS was determined by filtering 100 ml

of water through 47 mm 1.5 lm Whatman glass fiber

filters (GE Healthcare Biosciences, Pittsburgh, PA,

USA) in triplicate and filtrate was weighed and

evaporated in a drying oven at 180�C for 2 h. Once

cooled to room temperature, dried samples were

weighed, and TDS was calculated as dry sample

weight (sans evaporation dish) per original sample

volume (mg l-1).

Randomly selected tiles (n = 10) from each flume

were collected and replaced with acid-washed and

autoclaved tiles at 2-day intervals over the course of

9-day colonization period. This duration was chosen to

approximate the time period in which the greatest

decline in the rate of new bacterial taxa contributing to

overall biofilm richness occurs (Jackson, 2003), thus

increasing the likelihood that the populations present

will play a role in biofilm maturation. Biofilms from

tiles of individual flumes were collected and pooled

for a total of 3 replicates per sample time per

treatment. DNA was extracted using Mo-Bio Power-

soil DNA Isolation kits (Mo-Bio, Carlsbad, CA, USA)

per the manufacturer’s instructions and quantified via

fluorometrically using Invitrogen Quant-iT PicoGreen

reagent on a Synergy 4 microplate reader (BioTek,

Winooski, VT, USA). Despite the known biases

introduced during PCR being exacerbated by employ-

ing nested PCR, low biomass accrual during early

stages (days 1 and 3) of biofilm development neces-

sitated that PCR amplification of 16S rRNA genes was

performed prior to samples being sent for sequencing.

PCRs included 2 ll of 5 lg ll-1 sample DNA, 7 ll
molecular grade H2O, 15 ll Promega Master Mix 29

(50 U ml-1 Taq DNA polymerase in proprietary

reaction buffer, 400 lMof each dNTP, 3 mMMgCl2;

Madison,WI, USA), 3 ll of 0.4 lg ll-1 bovine serum

albumin (Promega, Madison, WI, USA), 1.5 ll each
of 10 lM forward primer 357F (50-CTCCTACGG-
GAGGCAGCAG-30; Turner et al., 1999) and reverse

primer 1391R (50-GACGGGCGGTGTGTRCA-30;
Turner et al., 1999). PCR conditions consisted of

3-min denaturation at 95�C followed by 35 cycles

(94�C for 30 s, 58�C for 30 s for annealing, 72�C for

90 s) and a final extension for 7 min at 72�C. PCR
products from each sample were normalized to 25 ng

DNA ll-1 and sent to The Ohio State University’s

Molecular and Cellular Imaging Center (MCIC) for

paired-end sequencing of the V4 region (forward

primer 515F, 50-GTGCCAGCMGCCGCGGTAA-30

and reverse primer 806R,

50GGACTACHVGGGTWTCTAAT-30; (Caporaso

et al., 2012) of the 16S rRNA gene using the Illumina

MiSeq platform. Samples were demultiplexed by

MCIC staff prior to further analysis. Raw sequence

data was deposited in the Sequence Read Archive of

Table 1 Flume environmental conditions

Treatment Sample time Conductivity lS cm-1 Temperature (�C) Redox potential (mV) pH

Control Day 0 598 (104) 20.4 (1) 354.6 (105.8) 8.21 (0.26)

95% Day 0 1033 (137) 19.9 (1) 335.2 (91.5) 8.29 (0.28)

99% Day 0 3320 (582) 20.3 (1) 422 (235.3) 8.29 (0.26)

Control Day 4 834 (303) 20.3 (1) 272.0 (60.2) 8.22 (0.13)

95% Day 4 1078 (42) 19.8 (0.1) 295.3 (33.6) 8.33 (0.1)

99% Day 4 3587 (110) 20.2 (0.3) 290.3 (22.1) 8.36 (0.08)

Mean (standard deviation) flume water physicochemical parameters measured at the start (Day 0) and refresh date (Day 4) for each

iteration of the experiment
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the National Center for Biotechnology Information

under the identifier SUB6189612.

Sequence data was processed through the QIIME 2

(version 2017.10) bioinformatics pipeline (www.

qiime2.org; Caporaso et al., 2010) to assess data

quality, remove spurious sequences, and to assign

taxonomy. In brief, sequences were trimmed to 230 bp

to maintain a median Q30 Phred score, representing a

99.9% base call accuracy. The DADA2 algorithm

(Callahan et al., 2016) was applied to the remaining

sequences to correct Illumina-induced amplicon

errors. A Naı̈ve Bayes classifier (Zhang, 2004) was

trained on the GreenGenes database (version 13_8;

97% sequence similarity resolution) before being

applied to sample sequence classification. Mitochon-

drial, chloroplast, and singleton sequences were

removed. Samples were then rarefied to a depth of

3089 sequences—resulting in the retention of 115

samples and 40.11% of sequences. These data were

used to calculate a-diversity indices (Shannon diver-

sity index, inverse Simpson’s index, Pielou’s even-

ness, and OTU richness) and b-diversity via Bray-

Curtis dissimilarities using the R statistical environ-

ment (v3.3.1; R Core Team, 2016). Sequences were

then aligned using the MAFFT sequence alignment

program (Katoh et al., 2002) and unrooted phyloge-

netic trees were inferred using FastTree v2.1 (Price

et al., 2009), each within the QIIME2 framework.

Additional a-diversity (Faith’s PD) and b-diversity
(weighted and unweighted UniFrac distances) esti-

mates were calculated in QIIME2 and exported for use

in R.

Quantitative-PCR (qPCR) was used to quantify

nirS and nosZ gene abundance under varying TDS

concentrations. Reactions consisted of 2 ll of

5 lg ll-1 sample DNA, 10 ll of 19 PerfeCTa SYBR

Green SuperMix reaction buffer (consisting of a

proprietary mix of MgCl, dNTPs, AccuStart II Taq

polymerase, SYBR Green I dye, and enzymatic

stabilizers and additives; QuantaBio, Beverly, MA,

USA), 6.2 or 7.2 ll molecular grade H2O (for nirS and

nosZ amplification, respectively), and 0.8 (nirS) or 0.4

(nosZ) ll each of 10 lM forward (nirS3Fa: 50-
TTCCT(T/C/G)CA(C/T)GACGG(C/T)GG-30, Thro-

bäck et al., 2004); nosZ-F: 50-CG(C/T)TGTTC(A/
C)TCGACAGCCAG-30, (Kloos et al., 2001) and

reverse (R3cd: 50-GA(C/G)TTCGG(A/G)TG(C/
G)GTCTTGA-30, Throbäck et al., 2004; nosZ1622R:

50-CGC(G/A)A(C/G)GGCAA(G/C)AAGGT(G/

C)CG-30, Throbäck et al., 2004) primers. Reactions

targeting nirS abundances also contained 0.2 ll of

0.4 lg ll-1 bovine serum albumin (Promega, Madi-

son, WI, USA). Conditions for nirS analysis consisted

of an initial step at 95�C for 3 min, followed by 40

cycles (95�C for 1 min, 56�C for 1 min, and 72�C for

1 min), and completing with a melting curve cycle

consisting of 95�C for 15 s, 60�C for 15 s, and 95�C
for 15 s. Conditions for nosZ PCR consisted of an

initial step at 95�C for 3 min, followed by 40 cycles

(95�C for 30 s, 56�C for 30 s, and 72�C for 30 s), and

completing with a melting curve cycle consisting of

95�C for 15 s, 60�C for 15 s, and 95�C for 15 s.

Due to the limited biomass accrual on tiles, water

samples were collected from each set of flumes at day

1, 3, 5, 7, and 9 and used to quantify extracellular

enzyme activities (EEAs). Briefly, 100 ll of sample

water was placed in Costar 96-well black polystyrene

plates with 100 ll of 300 lM fluorogenic 4-methy-

lumbelliferone (MUB) labeled b-glucosidase
(BGLU), b-xylosidase (BXYL), and phosphatase

(PHOS), or 7-amino-4-methylcoumarin (AMC)

labeled leucine aminopeptidase (LAP) enzyme sub-

strates. Additional wells containing sample water,

MUB or AMC, and MUB or AMC-labeled enzyme

substrates were included as blanks and controls to

account for extraneous fluorescence. Plates were

incubated in the dark at room temperature for

40 min. Sample fluorescence was read at 360 nm

and 460 nm (excitation and emission, respectively) on

a BioTek Gen5 plate reader and software (Winooski,

VT, USA; modified from DeForest, 2009; Smucker

et al., 2009). EEA was calculated using modified

equations from Smucker et al. (2009). In addition,

vector lengths and angles were calculated from the

proportional activity of C acquisition EEA to nutrient

acquisition EEA (Moorhead et al., 2016):

Vector length

¼

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi

BGLU þ BXYL½ �
LAP½ �

� �2

þ BGLU þ BXYL½ �
PHOS½ �

� �2
s

In this context, vector length corresponds to relative

C-to-nutrient limitation (e.g, longer vectors equate

with higher C:nutrient ratios) while the vector angle

quantifies P-to-N limitation (e.g. where angles corre-

spond with increasing P limitation\ 45�\ increas-

ing N limitation) and permits for the exploration of
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coupled C, N, and P dynamics as a function of

treatment and sampling day (Moorhead et al., 2016):

Vector angle degreesð Þ ¼ tan�1 BGLU þ BXYL

LAP

�

þ BGLUþ BXYL

LAP

�

� 180

p

Statistical analysis

All statistical analyses were run within the R statistical

environment (v3.3.1; R Core Team 2016). Analyses of

covariance (ANCOVAs; for data from flume water,

with sample day as covariate) and repeated measures

analyses of variance (ANOVAs; for data from

biofilms) were run as linear mixed-effects models

(nlme package v3.1-131; Pinheiro et al., 2017).

Linear mixed-effects models were used as they

permit inclusion of random effects that can address

flume-specific flow heterogeneity, account for tempo-

rally-induced variations stemming from multiple iter-

ations of the experiment being run, and as a means of

implementing appropriate variance structures to

diminish heteroscedasticity when necessary. Two

different types of models were selected due to the

potential for the flume water replenishment to artifi-

cially influence the results. Sampling day was included

in biofilm-specific data analysis due to the cumulative

characteristics of a developing biofilm community

relative to the transience of the overlying water. All

models were examined for assumptions of normality;

response data was standardized by treatment type,

sampling day, and treatment-day interaction and data

points ± 2 standard deviations from the mean were

considered to be outliers and removed unless deter-

mined to be biologically relevant. Variables including

nosZ and nirS abundances, and Faith’s phylogenetic

diversity data were log-transformed prior to analysis.

Data that continuously failed to meet the assumptions

required for parametric tests (e.g, Pielou’s evenness,

Shannon diversity index, inverse Simpson’s diversity

index) were analyzed first using a Kruskal–Wallis rank

sum test with treatment 9 sampling day interactions

and if no significant differences were observed, a

Kruskal–Wallis test was used to examine treatment

effects.

Post hoc analyses were carried out on models in

which treatments or treatment-sampling day

interactions were significant. Benjamini-Hochberg

corrected multiple comparisons (Benjamini & Hoch-

berg, 1995) were performed using the glht function in

the multcomp package (Hothorn et al., 2008) in

conjunction with the lsm function in the lsmeans

package (Lenth, 2016) in order to identify significant

differences between specific treatments or specific

treatment-sample time interactions.

Bray–Curtis (B–C) dissimilarities derived from

Hellinger-transformed, family-level taxonomic com-

munity data as well as weighted (based on relative

abundance data) and unweighted (based on presence-

absence data) Uni-Frac distances were used in prin-

ciple coordinates analysis to visualize community

composition in ordination space. These data were used

in permutational analysis of multivariate homogeneity

of group dispersions (PERMDISP2; Anderson et al.,

2006) and permutational multivariate analysis of

variance (PERMANOVA; Anderson, 2001) as a

means of assessing the effects of treatment and

sampling day on b-diversity. PERMDISP2 were

employed to compare the homogeneity of community

dispersion as an interactive effect of treatment and

sampling day using the betadisper function in the

vegan package. PERMANOVAs were performed with

the adonis2 function in the vegan package (v2.4-5,

Oksanen et al., 2016) to compare the central tendency

of each community to treatment and sampling time.

Permutations were restricted to each iteration of the

experiment in an attempt to minimize any temporally-

induced compositional variability. If no significant

treatment 9 time interactions occurred, analyses were

re-run solely examining the effects of treatment.

Multiple comparisons among and between treatments

at each sampling time were also performed using the

adonis2 function and the Benjamini–Hocheberg pro-

cedure was implemented to control the false discovery

rate of resulting p-values. Similarity percentage of

discriminating OTUs (simper; Clarke, 1993) between

communities were assessed using the simper function

in the vegan package to elucidate compositional

changes in the community and to identify which

OTUs were significantly affecting the observed

changes between the 95% and 99% treatments and

the control. Spearman’s rank correlations will be used

to further explore the response (? or -) of these

discriminating OTUs to TDS concentrations.
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Results

Despite the temporal nature of the experiments, no

significant temporal effects were observed; however,

several salt-treatment effects were observed, and data

is presented so as to highlight these differences.

Significantly different TDS concentrations among the

three treatments (e.g, control, 95% and 99%) were

maintained throughout the experiment (Fig. 1A).

Ammonium concentrations (Fig. 1B) significantly

decreased with increasing TDS, falling from a mean

concentration of 0.157 mg l-1 in the control to

0.137 mg l-1 and 0.075 mg l-1 in the 95% and 99%

treatments, respectively. Nitrate concentrations

(Fig. 1C) were not significantly different between

the control and 95% treatments (mean: 3.26 mg l-1

and 3.07 mg l-1, respectively), while the 99% treat-

ment resulted in a significant decrease (mean:

2.99 mg l-1).

Patterns of difference among treatments in EEA

varied among individual enzymes. Activity of BGLU,

an enzyme associated with C-acquisition via cellulose

hydrolysis (Fig. 2A) was not affected by treatments,

while BXYL activity increased with treatment inten-

sity (mean: 0.58, 0.66, and 0.72 nmol h-1 cm-2 for

the control, 95% and 99% treatments, respectively),

indicating additional xylose degradation potential

occurred in elevated saline treatments (Fig. 2B).

Nutrient scavenging enzyme activity exhibited

significant treatment effects; the direction of the

response differed between enzymes associated with

N- and P-acquisition. A significant decline was

observed in LAP activity (N acquisition) with increas-

ing treatment intensity (mean: 3.73, 3.68, and

3.64 nmol h-1 cm-2 for the control, 95% and 99%

treatments, respectively; Fig. 2C). Conversely, PHOS

activity—a proxy for P requirements—remained

lower in the control treatment relative to the saline

amended flumes (mean: 6.38, 6.81, and 6.84 nmol h-1

cm-2 for the control, 95% and 99% treatments,

respectively; Fig. 2D), indicating potential P defi-

ciency within communities experiencing elevated

salinity.

Vector analysis of enzyme ratios provides context

for individual enzyme activities and insights into

resource requirements of the community (Moorhead

et al., 2016). Analysis of EEA-derived vector lengths

identified significantly increased C:nutrient EEA

ratios in the saline treatments (Supplemental Fig. 2A),

indicating increased enzymatic activity related to C

acquisition relative to nutrient acquisition. This coin-

cided with a decrease in vector angle within the saline

treated flumes (Supplemental Fig 2B), suggesting that

these treatments were trending towards a more P-lim-

ited state (Fig. 3).

Abundances of the two targeted N-cycling genes

(nirS and nosZ) genes varied in their response to

treatment; nirS abundance was unaffected by treat-

ment (mean: 2.86 9 107 nirS copies across all groups;

Fig. 4A) while a significant increase in nosZ abun-

dance was observed in both the 95% (mean 2.089 106
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Fig. 1 Total dissolved solids and nitrogen concentrations.

Box and whisker pots of total dissolved solids (TDS; A),
NH4

? (B), and NO3
- (C) concentrations in each treatment.

Horizontal bar represents median value of sample, box

represents the interquartile range (IQR) and whiskers represent

1.59 IQR. Data points falling outside of the whiskers represent

outliers in untransformed data. Letters directly above boxplots

indicate whether or not significant (letters differ) or no

significant (letters are the same) differences were observed

among treatments
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copies; Fig. 4B) and 99% (mean: 7.60 9 106 copies;

Fig. 4B) treatment groups relative to the controls

(mean: 2.05 9 106 copies; Fig. 4B).

Significant treatment differences were observed for

both OTU richness and Faith’s pd (Fig. 5A, B).

Family-level OTU richness was higher in the 95%
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enzyme activity under salt

stress. Box and whisker
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extracellular enzyme

activities for C-acquiring

enzymes BGLU (A) and
BXYL (B), N-acquiring
enzyme LAP (C), and
P-acquiring enzyme PHOS

(D) in each treatment.

Horizontal bar represents

median value of sample, box

represents the interquartile

range (IQR) and whiskers

represent 1.5 9 IQR. Data

points falling outside of the

whiskers represent outliers

in untransformed data.
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boxplots indicate whether or

not significant (letters differ)

or no significant (letters are
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(solid = Control,
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dashed = 99%) included to

visualize general trends in

nutrient limitation
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treatments than in the control (mean: 50) and 99%

(mean: 49) treatment. Faith’s pd, a phylogenetically-

derived analog of OTU richness, was significantly

lower in the 99% treatment (mean: 4.4) relative to the

control (mean: 5.3) and 95% treatments (mean: 5.4).

None of the other 3 metrics examined (Pielou’s

evenness, Shannon diversity index, or the inverse

Simpson’s index Fig. 5C–E, respectively) exhibited

any significant differences among treatments.

Multivariate analysis of the community variance

revealed no significant differences among treatment

groups, indicating homoscedasticity between groups

regardless of distance method used and validating

PERMANOVAs as an appropriate assessment

method. Multivariate analyses (PERMANOVAs) of

community profiles identified significant (P\ 0.05)

shifts in community composition with treatment. B-C

dissimilarities demonstrated significant differences

among in community composition among all treat-

ment groups (Fig. 6A). UniFrac distances identified

significant compositional differences between the

control and 99% treatments (weighted UniFrac;

Fig. 6B) and between the control and both the 95%

and 99% treatments (unweighted UniFrac; Fig. 6C).

Although no significant treatment-sampling time

interactions were observed, sampling time did signif-

icantly affect community trajectory and exhibited

similar patterns across all treatments in ordination

space.

Examination of treatment-discriminating taxa, as

determined by simper analysis, identified 40 family-

level OTUs that significantly affected shifts in com-

munity composition; of these only 13 were correlated

with TDS concentrations (P\ 0.05; Table 2). How-

ever, these 13 OTUs represented[ 40% of the total

communities (e.g., control, 95% and 99%) examined.

For the majority of these OTUs, an increase in

treatment intensity corresponded with decreasing

relative abundance. In particular, OTUs from the

phylum Chloroflexi (Class Ellin6529) and Protobac-

teria Class Gammaproteobacteria (Order Methylococ-

cales Family Methylococcacae) were not observed in

either of the experimental treatment groups, while

OTUs from the Family Sphingobacteriacea (Phylum

Bacteroidetes) were absent from the 99% treatment,

only. Conversely, only two OTUs were identified that

positively correlated with treatment intensity, includ-

ing the a-Proteobacteria Order BD7-3 (q = 0.22,

P = 0.02) and the c-Proteobacteria Family Pseu-

domonadaceae (q = 0.4, P\ 0.001).

Discussion

Freshwater salinization is predicted to continue to

increase as water use and landscape modifications

alter stream environments (Kaushal et al., 2018).

Salinization of freshwater can have far-reaching

effects on the ecosystem, including alteration to the

chemical environment (e.g., cation exchange capacity,

metal availability, C and nutrient availability; Baldwin

et al., 2006; Weston et al., 2006; Kim & Koretsky,

A a a a

10.0

12.5

15.0

17.5

20.0

Control 95% 99%

lo
g

 n
ir

S
 c

o
p

ie
s 

(c
m

−2
)

Treatment
Control

95%

99%

B a b b

7.5

10.0

12.5

15.0

17.5

Control 95% 99%

lo
g

 n
o

sZ
 c

o
p

ie
s 

(c
m

−2
)

Treatment
Control

95%

99%

Fig. 4 Denitrification gene abundances under salt stress.

Box and whisker plots of log-transformed abundances of nirS

(A) and nosZ (B) copy numbers in each treatment. Horizontal

bar represents median value of sample, box represents the

interquartile range (IQR) and whiskers represent 1.5 9 IQR.
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untransformed data. Letters directly above boxplots indicate

whether or not significant (letters differ) or no significant (letters

are the same) differences were observed among treatments
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2013; Duan & Kaushal, 2015) and by reducing the

abundance, diversity, and functional contributions of

local populations (Lozupone & Knight 2007; Logares

et al., 2009; Dupont et al., 2014). In this study, we

demonstrated the effects of elevated salt-related stress

on freshwater bacterial communities and we identified

several significant characteristics of salt-affected bac-

terial communities that diverged from control com-

munities. While the relatively narrow focus of this

study did not permit us to mechanistically link specific

phenomena directly to salt concentrations, we were

able to characterize how several pertinent features of

bacterial communities are impacted by salt pollution.

Together, these findings suggest that freshwater bac-

terial communities are susceptible to the ever-increas-

ing salinization of freshwater and that this may be

detrimental to the capacity of these communities to

perform essential ecosystem functions at levels similar

to those observed under baseline conditions.

Extracellular enzyme activities are an increasingly

effective way to assess microbial functionality as

stream microbial populations often require hydrolytic

enzymes to catabolize larger molecules so as to gain

access to resources, thus enhancing resource cycling

within the system (Sabater et al., 2002; Artigas et al.,

2015). Due to the immense energy and resource

investments required for enzyme synthesis (Koch,

1985), enzyme activity can provide considerable

insights into resource acquisition strategies; increasing

EEAs are indicative of low resource concentrations or

resource demands, while diminished EEA may indi-

cate that resources are readily available and that

enzyme production is unnecessary, or that enzyme

production may be inhibited by resource deficiencies,

or that available resources are being reallocated to

other essential activities (Allison and Vitousek, 2005).

Salinity has been shown to cause diminishedmicrobial

biomass in sediments and soils (Egamberdieva et al.,

2010; Tripathi et al., 2018) and although we did not

directly measure productivity here, general trends in C

and nutrient dynamics can be useful for characterizing

community productivity (Frankenberger & Dick,

1983; Hill et al., 2012; Luo et al., 2017).

The diverging LAP and PHOS activities (decreas-

ing and increasing, respectively) in TDS amended

communities may simply reflect nutrient acquisition

strategies but given the significant reduction in NO3
-

and NH4
? concentrations in treated systems, LAP

activity would be predicted to increase in response to

diminished nutrient availability, which did not occur.

This would suggest that resources remained suffi-

ciently elevated to forego additional enzyme produc-

tion (Allison and Vitousek, 2005; Vitousek et al.,

2010). Examination of vector analyses of enzyme

activity ratios suggested that resource limitation—

specifically those attributable to P dynamics—may

have played a role in observed treatment community

EEA (Moorhead et al., 2016). This is somewhat

unexpected as several studies have found PHOS EEA

to be negatively correlated with salinity concentra-

tions due to the increased availability due to the

decrease in P sorption capacity that is commonly

associated with brackish or saline waters (Franken-

berger & Bingham, 1982; Sundareshwar & Morris,

1999; Pan et al., 2013; Yan et al., 2015). However,

when considered within the context of observed LAP

EEA, it is perhaps more likely that N concentrations

remained elevated enough to inhibit LAP activity

while stimulating P acquisition to aid in stoichiometric

equilibration and cellular maintenance rather than

overt growth (Rose & Axler, 1998; Chen et al., 2019).

Changes in community profiles reflect the taxo-

nomic shifts in community composition that are often

observed along freshwater to marine gradients (e.g.

reduced abundances of b-Proteobacteria and Acti-

nobacteria taxa—Table 2; Bouvier & del Giorgio,

2002; Telesh & Khlebovich, 2010; Fortunato et al.,

2011; Campbell & Kirchman, 2012). This distinction

became apparent in a- and b-diversity metrics that

consider phylogenetic diversity (e.g., Faith’s pd),

which likely reflect the genomic transition from less

tolerant to more salt-tolerant taxa (Faith & Hawks-

worth, 1994; Rocca et al., 2020). Moreover, this effect

was seen after only a single day of treatment and

communities failed to converge over the 9-day exper-

iment, highlighting the sensitivity of the nascent

community to salt stress and the rapidity with which

freshwater bacterial communities may be affected by

continued introduction of salts into the environment

(Zhang et al., 2014). Some taxa appeared to be highly

sensitive to increasing salinity, resulting in the extir-

pation of bacteria associated with the metabolically

diverse phyla Chloroflexi and the aerobic methane

oxidizers of the order Metholococcaceae (subphylum

Gammaproteobacteria) outside of the control commu-

nities. However, unique in our data were the response

of some taxa (see Table 2) to the induced salinity

gradient—specifically in the increase in relative
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abundance from the control to 95% treatments and

subsequent reduction in relative abundance in the 99%

treatments for the same phyla. Abundance of the class

Sphingobacteriia (Phylum Bacteroidetes), a strictly

aerobic and predominantly saprophytic bacterium,

increased by 53% over the control abundances in the

95% treatments before being extirpated from the 99%

treatments (Table 2). Similar, albeit less dramatic,

results occurred with the phyla Chlorobi and Verru-

comirobia, in which significant spikes in relative

abundance were observed in the 95% TDS treatments

but were not maintained at higher salt concentrations.

This suggests there are diverse tolerance thresholds

within freshwater communities and that some taxa are

capable of surviving increased stress up to a threshold

value after which these taxa are negatively affected or

lose competitive advantage to more tolerant taxa

(Ketola & Hiltunen, 2014). Similar responses have

been identified in soil and intertidal sediment com-

munities (Forsyth et al., 1971; Rousk et al., 2011), in

which salt-tolerant bacterial populations may not be

dominant taxa in situ, but may become increasingly

abundant as salinity gradients are introduced. This

may explain the significant elevation in the quantities

of unique OTUs observed in the 95% treatments, as

tolerant OTUs may be beginning to exploit niche

space by sensitive taxa that may be approaching

extirpation. This may also explain the increase in nosZ

abundance observed in the TDS treated communities,

as the functional plasticity of many denitrifying taxa

may promote resilience in the face of altered environ-

mental conditions (Betlach, 1983; Miyahara et al.,

2012; Salles et al., 2012) and resource availabilities

(Kirchman, 1994; Hoch & Kirchman, 2018).

Conclusion

Salinization of freshwater environments can dramat-

ically affect the structure and functionality of the

ecosystem by reducing habitat quality for freshwater

organisms and through the modification of resource

geochemistry. Understanding how these modifications

might affect microbial diversity and microbially

mediated biogeochemical processes is a critical first

step in identifying ecosystem decline and may provide

a means of mitigating these effects prior to further

degradation. Projected trends in urban expansion

indicate that increased salt strain will unduly fall on

freshwater ecosystems, thus it is imperative to identify

how these communities will be impacted. Through an

examination of the early successional trajectory of the

bacterial community we can gain insights into how

affected communities will respond to these types of

environmental changes, and whether the structural

characteristics or the potential functional capabilities

of the microbial community will be maintained in

order to assist in mitigating the decline of ecosystem

processes. Our findings suggest that while we do see a

compositional shift towards a less diverse, albeit what

appears to be a more halotolerant, bacterial commu-

nity, this loss is tempered by the increased potential for

N removal via denitrification pathways—a process

that is critical to mitigating the negative impacts of

nutrient pollution.
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Hochedlinger, I. Hödl, et al., 2007. Biophysical controls on

community succession in stream biofilms. Applied and

Environmental Microbiology 73: 4966–4974.

Betlach, M. R., 1983. Evolution of bacterial denitrification and

denitrifier diversity. Antonie Van Leeuwenhoek 48:

585–607.

Bouvier, T. C. & P. A. del Giorgio, 2002. Compositional

changes in free-living bacterial communities along a

salinity gradient in two temperate estuaries. Limnology and

Oceanography 47: 453–470.

Callahan, B. J., P. J. McMurdie, M. J. Rosen, A.W. Han, A. J. A.

Johnson & S. P. Holmes, 2016. DADA2: high-resolution

sample inference from Illumina amplicon data. Nature

Methods. https://doi.org/10.1038/nmeth.3869.

Campbell, B. J. & D. L. Kirchman, 2012. Bacterial diversity,

community structure and potential growth rates along an

estuarine salinity gradient. International Society of

Microbial Ecology Journal 7: 210.
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