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Abstract Mangrove forest encroachment into

coastal marsh habitats has been described in subtrop-

ical regions worldwide in recent decades. To better

understand how soil processes may influence vegeta-

tion change, we studied soil surface elevation change,

accretion rates, and soil subsurface change across a

coastal salinity gradient in Florida, USA, an area with

documented mangrove encroachment into saline

marshes. Our aim was to identify if variations in the

soil variables studied exist and to document any

associated vegetation shifts. We used surface eleva-

tion tables and marker horizons to document the soil

variables over 5 years in a mangrove-to-marsh tran-

sition zone or ecotone. Study sites were located in

three marsh types (brackish, salt, and transition) and in

riverine mangrove forests. Mangrove forest sites had

significantly higher accretion rates than marsh sites

and were the only locations where elevation gain

occurred. Significant loss in surface elevation

occurred at transition and salt marsh sites. Transition

marshes, which had a significantly higher rate of

shallow subsidence compared to other wetland types,

appear to be most vulnerable to submergence or to a

shift to mangrove forest. Submergence can result in

herbaceous vegetation mortality and conversion to

open water, with severe implications to the quantity

and quality of wetland services provided.

Keywords Accretion � Coastal marsh � Mangrove

forest encroachment � Sea-level rise � Subsidence �
Vegetation change

Introduction

Ecosystem regime shifts have become increasingly

common as a consequence of human activities that

reduce natural system resilience, such as resource

exploitation, pollution, altered disturbance regimes,

and land-use and climate change (Folke et al., 2004).
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Coastal wetlands have been described as some of the

most vulnerable yet economically important ecosys-

tems on earth (Kirwan & Megonigal, 2013), and sea-

level rise (SLR) is expected to have a major influence

on the function and resiliency of these wetlands

(Morris et al., 2002; Kirwan & Temmerman, 2009;

McKee et al., 2012; Crosby et al., 2016). On subtrop-

ical coasts, the transition zone, or ecotone, between

mangrove forests and herbaceous marshes is vulner-

able to shifting boundaries from climate change-

driven alterations in temperature and precipitation as

well as SLR (Osland et al., 2016; Gabler et al., 2017).

Several studies have documented vegetation shifts

within the mangrove–marsh ecotone (hereafter called

ecotone); these shifts were often identified as man-

grove forest encroachment into brackish and salt

marshes (Perry & Mendelssohn, 2009; Krauss et al.,

2011; Saintilan et al., 2014; Armitage et al., 2015;

Howard et al., 2017). In addition, freshwater marsh

displacement by mangroves has occurred in southeast

Florida, USA (Ross et al., 2000; Meeder et al., 2017).

Mangroves are cold-intolerant, and range expansion is

facilitated by an increased interval between winter

freeze events (Sherrod et al., 1986; Stevens et al.,

2006; Cavanaugh et al., 2015). Chronic warming

between freeze events, however, can stimulate growth

of wetland grasses, leading to increased levels of

interspecific competition that may slow the progres-

sion of mangrove dominance (Coldren et al., 2016).

Human-caused hydrologic alteration (e.g., canal con-

struction) has also been identified as a factor that can

enhance mangrove encroachment into marshes

(Krauss et al., 2011). Such vegetation shifts within

the ecotone have implications in terms of ecosystem

services provided (reviewed in Kelleway et al., 2017).

Notably, increased aboveground biomass and carbon

storage have resulted when marsh vegetation was

replaced by mangrove forest (Doughty et al., 2016;

Yando et al., 2016; Simpson et al., 2017). In addition

to species shifts, plant community structural changes

(e.g., stem density, stem height, belowground bio-

mass) in response to SLR can also affect services

provided.

The ability of wetlands to track rising sea levels

vertically by increasing soil surface elevation involves

feedbacks between ecogeomorphic processes, includ-

ing plant growth, organic matter accumulation, min-

eral sedimentation, and subsidence, and physical

factors that are associated with the position of the

wetland platform, including tidal inundation duration

and exposure to erosional forces. Global SLR was

estimated at 1.1 ± 0.3 mm year-1 in the 20th century

prior to 1990, with an increase to 3.1 ± 1.4 mm

year-1 between 1993 and 2012 (Dangendorf et al.,

2017). Trends of accelerated local or regional SLR

compared to global levels have been identified along

the Atlantic (Sallenger et al., 2012; Valle-Levinson

et al., 2017) and Gulf of Mexico (Donoghue, 2011;

Wahl et al., 2014) coasts of the USA; wetlands of the

latter region are also characterized by high subsidence

rates (Törnqvist et al., 2008; Yuill et al., 2009; Day

et al., 2011). As noted by Reed (1999), when increased

flooding resulting from subsidence is accompanied by

enhanced sediment supply, marshes may be able to

maintain elevation under higher sea levels. In addition

to sedimentation, wetland surface elevation is affected

by vegetation through subsurface processes such as

root growth and sediment expansion (Nyman et al.,

2006; McKee, 2011; Krauss et al., 2014). When

surface elevation change does not equal or exceed

relative SLR through enhanced sedimentation and/or

increased primary production, species composition

may shift to more flood-tolerant species.

Interspecific and intraspecific variations in toler-

ance to flooding stressors have been found in many

herbaceous wetland species (Fraser & Karnezis, 2005;

Spalding & Hester, 2007; Visser & Sandy, 2009;

Howard et al., 2016). If shifts in plant species

composition do not occur in response to increased

flooding, open water areas can form. Ponding is the

conversion of interior vegetated coastal wetlands to

open water (DeLaune et al., 1994). The drivers that

can lead to pond formation are varied and complex

(Day et al., 2000) and, in addition to the inability of

some species to tolerate flooding stress (Mendelssohn

& McKee, 1988; Nyman et al., 1993), include

mortality induced by salt stress (DeLaune et al.,

1994), intense herbivory (Stevenson et al., 1985), and

enhanced subsidence resulting from subsurface fluid

withdrawal for hydrocarbon production (Morton et al.,

2006). The ability of coastal wetlands to tolerate and/

or recover from stressors can be influenced by plant

interactions (e.g., competition, facilitation) that alter

species growth and survival, and the resulting struc-

tural and composition changes in vegetation commu-

nities may affect soil process through impacts on plant

productivity. Changes in plant productivity can affect

elevation change and therefore the ability of a marsh to
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offset the effects of rising sea levels (Baustian et al.,

2012).

Wetland sedimentation often has both organic and

mineral components (Nyman et al., 1993; Reed, 1995;

Anisfeld et al., 2016), and the relative importance of

these components in influencing surface elevation

varies across the coastal landscape. Surface elevation

influences coastal wetland hydrology, affecting tidal

inundation frequency, flooding duration, and flooding

depth. These hydrologic conditions affect soil oxida-

tion state, erosion, and accretion (i.e., surface accre-

tion or deposition of surface material by

sedimentation), which, in turn, influence plant growth.

A strong relationship between the rate of salt marsh

surface elevation change and the rate of mangrove

encroachment was identified in southeast Australia;

salt marsh sites with elevation deficits exhibited high

rates of mangrove encroachment (Rogers et al., 2006).

Patterns in soil surface elevation and accretion in

ecotones during the shift from herbaceous to man-

grove species were examined in two studies. In New

SouthWales, Australia, surface elevation increase was

lower at sites where mangrove encroachment occurred

compared to sites in a mature mangrove forest and in a

salt marsh; accretion in the encroachment zone,

however, was intermediate between the two habitats,

with highest accretion occurring in the forest (Rogers

et al., 2013). In contrast, no difference was found in

elevation change or accretion among salt marsh,

young mangrove (less than 30 years old), and mixed

marsh/mangrove sites in Louisiana, USA (McKee &

Vervaeke, 2018). The discrepancy between these

studies indicates that variability can exist in the

relationships between mangrove encroachment and

soil elevation change and accretion. Our study aims to

provide additional information on these relationships.

In this study, we examined soil vertical accretion

and relative soil surface elevation change across a

salinity gradient in coastal southwest Florida, a region

that is experiencing upslope expansion of mangrove

forests into saline marshes. We addressed the follow-

ing questions: (1) Do patterns of surface elevation

change and surface accretion rate vary across the

environmental gradient? (2) Are vegetation shifts,

either among herbaceous species, from herbaceous

species to mangroves, or to open water, associated

with surface elevation change? and (3) Are soil

process changes and/or vegetation shifts corroborated

by data derived from aerial imagery on mangrove

forest expansion and pond formation?

Materials and methods

Study area

The study area at Ten Thousand Islands National

Wildlife Refuge (TTINWR), located in southwest

Florida (25� 570 N, 81� 320 W), includes a gradient

from brackish marsh to mangrove fringe forest. The

refuge was established in 1996 and is comprised of

about 14,165 ha of mangrove forests, emergent

marshes, open ponds, and small coastal hammocks.

The subtropical climate is characterized by mean

annual rainfall between 127.0 and 152.4 cm; seasons

alter between wet (May–October) and dry (Novem-

ber–April) (Lodge, 2010). Winter daytime tempera-

tures in south Florida are often above 25 �C, with an

average daily minimum temperature of 10 �C; how-
ever, temperatures can drop below freezing during the

passage of cold fronts, which can occur frequently in

some years (Duever et al., 1994). Soils are predom-

inately histosols, consisting of peat and muck deposits

of varying thickness over sand, marl, and limestone

(Brown et al., 1990). Historically, freshwater flowed

from north to south seasonally as sheetflow across

TTINWR into the Gulf of Mexico (Gulf); however,

road, canal, and housing infrastructure development

that began in the 1920s altered regional hydrologic

patterns so that water became unevenly distributed

through a network of canals (Booth et al., 2014). Based

on position in the landscape and historic flow patterns,

the more northern brackish marsh sites likely receive

higher surface and groundwater freshwater inflow

compared to salt and transition marshes (Booth et al.,

2014), while the mangrove forest sites receive riverine

and marine sediment subsidies. Variation in salinity

has been documented among habitat types on

TTINWR. Salinity gradually decreased with distance

inland from mangrove forests to brackish marshes,

ranging from 35.3 to 17.9 psu, and interstitial water

salinity tended to increase with depth beneath the soil

surface (Krauss et al., 2011). A study of vegetation

communities on the refuge recorded interstitial water

salinity values at 15 cm below the marsh soil surface

between 4 and 30 psu during the fall (Howard et al.,

2017). Among the marsh types, interstitial salinity was

123

Hydrobiologia (2020) 847:1087–1106 1089



higher in transition marshes compared to salt and

brackish marshes over time, but salt and brackish

marshes often had similar salinity levels (Howard

et al., 2017). At the southern boundary of TTINWR,

Pumpkin Bay has a mean tidal range of 0.88 m, with a

diurnal tidal range (difference in height between mean

higher high water and mean lower low water) of

1.15 m (NOAA, 2018a).

Three species of mangroves—Avicennia germinans

(L.) L. (black mangrove), Laguncularia racemosa (L.)

C.F. Gaertn. (white mangrove), and Rhizophora

mangle L. (red mangrove)—are found on TTINWR

and form a mixed-species forest that is contiguous

with the Gulf on the southern portion of the refuge.

Inland of the mangrove forests is salt marsh dominated

by Distichlis spicata (L.) Greene (saltgrass) and

Juncus roemerianus Scheele (needle rush), with

brackish marshes dominated by Spartina bakeriMerr.

(sand cordgrass) and Typha domingensis Pers. (south-

ern cattail) at the northern refuge boundary. Open

water channels and ponds throughout TTINWR are

often bordered by mangrove forest. Between 1927 and

2005, a 35% increase in mangrove coverage on

TTINWR was identified (Krauss et al., 2011); this

increase was attributed to sea-level rise and hydrolog-

ical changes resulting from canals constructed to drain

wetlands to provide sites for housing and commercial

development. Hydrologic alterations in the region

surrounding the refuge were also linked to vegetation

loss on the refuge and an increase in ponded areas

(Andres et al., 2019). A recent model analysis

predicted that, under a sea-level rise of 0.5 m and

macroclimate change (i.e., temperature and evapo-

transpiration increases, altered precipitation), man-

grove forests in this region of Florida will migrate up

to 15 km inland by 2060 (Flower et al., 2017).

Vegetation communities on TTINWR will also be

affected by a major hydrologic restoration project that

is part of the Comprehensive Everglades Restoration

Plan (https://www.nps.gov/ever/learn/nature/cerp.

htm); the Picayune Strand Restoration Project, loca-

ted directly north of the refuge, has the goal of

increasing freshwater sheet flow from north to south.

The project includes construction of three pumping

stations, with the final station completed in the sum-

mer of 2019 (US Army Corps of Engineers, 2019).

Surface accretion and elevation

We used the rod surface elevation table-marker

horizon (RSET-MH) method (Cahoon et al., 2002;

Cahoon, 2015) to document changes in relative soil

surface elevation and vertical accretion. While the

surface elevation table technique has been deployed

worldwide since its development in the 1990s (Webb

et al., 2013), relatively few stations exist in the

mangrove–marsh ecotone along the northern Gulf of

Mexico coast (Osland et al., 2017). When tied to a

survey datum, RSETs establish absolute measures of

vertical land motion (VLMw, or elevation) of the

wetland soil surface relative to the base of the rod,

which can be related to tide gauge data (Cahoon,

2015). The RSET is a portable device that is attached

to a series of connected steel rods driven into the

substrate to refusal (i.e., a benchmark), and elevation

measurements are obtained relative to the base of the

benchmark (see Cahoon, 2015 for details). Marker

horizons, consisting of a layer of powdered, light-

colored feldspar (clay) material deposited on the soil

surface (Cahoon & Turner, 1989), are placed in the

vicinity of RSETs for simultaneous measurement of

sediment vertical accretion. Shallow subsidence (in

the form of soil compaction) is indicated when vertical

accretion exceeds VLMw (Cahoon et al., 1995). Root

zone expansion is indicated when VLMw exceeds

vertical accretion (Cahoon et al., 2000; McKee et al.,

2007a); root zone expansion is defined as the upward

movement of the soil surface from root volume

expansion occurring below the soil surface.

We installed RSET stations in June and December

2011 at eight sites across the gradient from brackish

marsh at the northern boundary of TTINWR to

riverine mangrove forest near the southern refuge

boundary along the Gulf. There were two sites in each

of four wetland types: brackish marsh, salt marsh,

transition marsh (defined as saline marsh adjacent to a

mangrove forest contiguous to the Gulf), and man-

grove forest (Fig. 1). The RSETs in the three marsh

types were located within 10 m of permanent transects

established in 2007 to record vegetation composition

(Howard et al., 2017). The transects extended perpen-

dicularly from near the edge of the mangrove forest

(transition marsh) or the edge of a mangrove stand

along a waterway (brackish, salt marshes) into marsh

that did not support mature mangrove trees (Howard

et al., 2017). Two RSET stations were located at each
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site, resulting in four RSETs in each habitat type and

16 total stations. The length of the steel rods that were

driven to refusal at each station was recorded.

Initial elevation data were collected in June 2012.

Three marker horizons were established at this time

within 4.5 9 4.5 m (20.25 m2) plots established at

each RSET installation; the benchmark was located at

the plot center. Nomangrove seedlings were present in

the marsh plots when initial data were collected.

VLMw was measured by attaching the RSET arm to

the benchmark at four compass positions. At each

position, nine individual elevation measurements were

made by positioning fiberglass pins to touch the soil

surface and then recording pin length (to nearest mm)

extending above the arm. Any obstructions (e.g.,

woody debris) or soil surface damages (e.g.,

invertebrate burrow) were noted for each pin location.

With an RSET arm length of 62 cm, elevation

measurements were obtained within a circular area

of approximately 1.2 m2. During the subsequent

VLMwmeasurement in October 2012, soil cores were

extracted from each of the three marker horizon

stations in each RSET plot using a small (2.5 cm

diameter 9 18 cm length) modified Russian peat

corer, also known as aMacaulay corer (Jowsey, 1966).

Accretion, measured using calipers as the depth (mm)

of accumulated soil material above the feldspar layer,

was recorded for three positions on each core (the

middle and both sides of the D-shaped core). Elevation

and accretion measurements were obtained using

these techniques four additional times over 5 years,

in June 2013, 2014, 2015, and 2017.
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Fig. 1 Map of Ten Thousand Islands NationalWildlife Refuge,

Naples, Florida, showing locations of eight sites where rod

sediment elevation (RSET) stations were installed. There were

two RSET stations at each site. Asterisks indicate sites where

data collected were related to information on long-term pond

formation as reported by Andres et al. (2019)
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To relate elevation change to marsh conversion to

open water, we used information from a previous

study on historical pond formation on TTINWR. The

previous study examined wetland geomorphic and

vegetation change in southwest Florida and included

sites on TTINWR (Andres et al., 2019). As part of that

study, 1 km2 (100 ha) marsh sections were delineated

and evaluated for the creation, expansion, and merger

of ponds, also referred to as ‘‘pocks’’ based on their

appearance, over time using aerial imagery from 1953

and 2009. Two of our RSET-MH sites—the western

salt and western transition marsh sites—were located

in one of the marsh sections delineated by Andres et al.

(2019). Between 1953 and 2009 pond area in the

1 km2 marsh section that overlapped with our four

RSET-MH plots increased by 54,562 m2 (5.5 ha)

(Andres, 2016).We examined soil variables at the four

plots to determine if our findings complement the

historically documented increase in pond formation by

indicating decreased soil surface elevation, which can

result in vegetation mortality and conversion to open

water.

Vegetation

Herbaceous vegetation cover and mangrove seedlings

Cover values of herbaceous plant species present

within the 20.25 m2 RSET plots in marsh habitats

(brackish, salt, and transition) were visually estimated

and recorded to the nearest 5%; species with less than

2.5% estimated cover were designated as 1% cover.

Data were obtained each year during elevation and

accretion measurements beginning in June 2012. With

the exception of the second measurement in October

2012, subsequent measurements were made mid-

growing season (i.e., June 2013–2015, 2017) for a

total of six measurement times. The number of

mangrove seedlings in the marsh plots was recorded

by species in 2015 and 2017. The mangrove RSET

plots were located in mature forests where herbaceous

cover was absent or very sparse and few mangrove

seedlings were present. Because of this low occur-

rence and the study focus on documenting marsh

species shifts and vegetation loss, we did not estimate

cover or record seedling numbers in forest RSET plots.

Mangrove forest extent

The mangrove boundary of TTINWR was previously

mapped over a 78-year period using a combination of

T-sheets (1927), black and white aerial photographs

(1940), and true-color aerial imagery (2005), docu-

menting the addition of approximately 1878 ha of new

mangrove area at the expense of marsh habitat on

TTINWR (Krauss et al., 2011). Since then, mangrove

encroachment has visibly slowed following freeze

events in January and December 2010, when temper-

atures fell below - 2� C for several hours (Howard

et al., 2017), and a controlled burn in March 2012 (A.

From, personal observation). We extended the map-

ping period an additional 9 years to overlap RSET-

MH measurements and report mangrove habitat

change through 2014, using sub-meter resolution

true-color imagery taken in December 2014 (Collier

Country Property Appraiser’s Office, Naples, Florida,

USA). The National Standard for Spatial Data Accu-

racy (NSSDA) for this imagery at 95% was 0.516 m.

The North American Datum of 1983 (Florida East)

was the spatial reference used for mapping. The

images were analyzed using ArcGIS (Version 10.4

ESRI, Inc., Redlands, California, USA), and were

rectified to a common geoid and projection to facilitate

comparisons with the map sets from 2005. Classifica-

tion was simple, with polygons being assigned as

either mangrove or non-mangrove; mangrove species

identity was not differentiated. There was no dedicated

field ground truthing for analysis of the 2014 imagery;

however, stratified random sampling along transects

and spot checks were conducted in 2009 for the Krauss

et al.’s (2011) study on mangrove forest change.

Data analysis

For VLMw analyses, invalid measurements (e.g., pin

touched a root or other unmovable debris) were not

included. The mean of pin measurements for each

RSET arm position was determined, and elevation for

each RSET station was calculated as the mean of the

four arm measurements. Mean VLMw data of the four

RSET replicates in each wetland type were obtained

for each measurement time; these data were then

expressed as cumulative change from the baseline

(i.e., initial) measurement. Data were analyzed using

simple linear regression analysis, which was applied to

each wetland type separately. The regression slopes
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were examined for significant variation from zero (i.e.,

baseline condition). The mean of the three accretion

measures in each soil core was determined, and the

mean for the RSET plot was calculated using cores

from the three feldspar plots. Accretion data were

analyzed in the same manner as VLMw data. Subsur-

face change was calculated by subtracting VLMw

from vertical accretion, with positive values indicating

shallow subsidence (Cahoon et al., 1995; Cahoon,

2015). Linear rates of change among wetland types for

VLMw, accretion, and subsurface change were com-

pared using regression analysis.

A separate analysis of VLMw, accretion, and

subsurface change was conducted using the methods

described above for the four RSET stations (western

salt and western transition marsh plots) located within

a study site delineated by Andres et al. (2019).

Statistical analysis of the relationship between the

soil variables and pond formation was not possible

because of the different scales of the data sets (i.e.,

elevation was measured within an area of approxi-

mately 1.2 m2, ponding was measured within 1-km2

sections) and different times of data collection.

Therefore, we examined our results to determine if

they complement the historic increase in pond forma-

tion identified by Andres et al. (2019) by indicating

elevation loss.

The relationship of total herbaceous vegetation

cover in the marsh RSET plots and VLMw, accretion,

and subsurface change was investigated using a

Pearson correlation analysis; the marsh types were

examined separately. For these analyses, five mea-

surement times were included; baseline values were

deleted because the soil variables were set at zero by

definition. Variation in vegetation cover among the

marsh types over time was examined using repeated-

measures analysis of variance (ANOVA). We believe

that the repeated-measures framework was required

based on the probable lack of independence between

measurement times (i.e., influence of seed rain and

vegetative expansion through rhizomes). Marsh type

was the independent variable in these analyses, with

total herbaceous vegetation cover and cover of the

most common species within the plots as dependent

response variables.

To examine differences in woody encroachment

among marsh types, one-way ANOVA was applied

with marsh type as the independent variable and final

mangrove seedling number as the response variable.

The relationships between remotely sensed mangrove

forest cover information and the site-specific soil

variables were not examined using statistical methods

because of the different scales of the data sets and

different times of data collection. Rather, we exam-

ined mangrove forest cover change interpreted from

aerial imagery to identify patterns that may corrobo-

rate trends identified for the small-scale measurements

of the soil variables.

Regression (PROC REG), correlation (PROC

CORR), ANOVA (PROC GLM), and repeated-mea-

sures ANOVA (PROC MIXED) analyses were con-

ducted using SAS software (ver. 9.3; SAS Institute,

Inc., Cary, North Carolina). Response variables that

did not meet required assumptions for normality and

homogeneity were transformed, and the significance

level for analyses was a = 0.05. Main effect compar-

isons were examined using Tukey’s test, and interac-

tion effects were examined using the Bonferroni test

adjusted for the number of comparisons.

Results

Surface accretion and elevation

Regression analyses by wetland type comparing

change from baseline conditions identified significant

accretion in all types and significant VLMw change in

salt marshes, transition marshes, and mangrove forests

that ranged from- 6.45 to 4.36 mm year-1 (Table 1).

Significant shallow subsidence was found in all types,

but was accentuated in the transition marsh (9.74 mm

year-1) where elevation loss was the greatest

(Table 1). Comparisons of rates of change among

wetland types indicated significant differences (P\
0.0001, all models) in all soil variables (accretion,

VLMw, subsurface change) among the types. Accre-

tion rate was significantly higher in mangroves

(6.15 mm year-1) compared to the three marsh types

(mean = 3.03 mm year-1), while it was equivalent

among the marsh types. The rate of VLMw change at

transition marshes (- 6.45 mm year-1) was signifi-

cantly lower than that at the other three wetland types

(mean = 0.90 mm year-1). Among those three types,

VLMw was significantly lower in salt marshes com-

pared to mangroves, but it was equivalent in brackish

marshes compared to both salt marshes and man-

groves. Subsurface change in transition marshes was
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significantly greater compared to the other wetland

types, while it did not differ between brackish marsh,

salt marsh, and mangrove forest plots (Table 1). The

rod depth to refusal for the 16 RSET benchmarks

ranged from 3.3 to 13.9 m, with an overall mean of

9.0 ± 0.78 m (data presented as mean ± 1 SE).

Based on refusal depth from most shallow to deepest,

the wetland types were ranked as follows: transition

marsh (5.5 ± 1.49 m), mangrove forest

(8.4 ± 1.08 m), salt marsh (10.4 ± 0.78 m), and

brackish marsh (11.5 ± 1.15 m).

Analyses of the subset of RSET-MH installations

within the marsh section described by Andres et al.

(2019) showed significant accretion (P \ 0.0001),

VLMw change (P = 0.0011) and subsurface change

(P \ 0.0001). Results were as follows: accretion,

2.12 ± 0.40 mm year-1; VLMw change, -

2.67 ± 0.72 mm year-1; and subsurface change,

4.79 ± 0.77 mm year-1.

Vegetation

Herbaceous vegetation cover and mangrove seedlings

A total of 13 species was recorded in the marsh RSET

plots during the study (Table S1). The most common

species in brackish and salt marsh plots were S. bakeri

and D. spicata; S. bakeri was absent from plots in

transition marshes, where the dominant species wasD.

spicata. Sesuvium portulacastrum (L.) L. was the only

species in addition to D. spicata that was present in all

marsh types. Total herbaceous species cover was not

correlated with VLMw in any marsh type, and in

transition marshes, there was also a lack of correlation

of cover with accretion and subsurface change

(Table 2). The direction of correlation between cover

and accretion and cover and subsurface change varied

among brackish and salt marshes. Cover in brackish

marshes was positively correlated with both variables,

while in salt marshes, it was negatively correlated with

both (Table 2).

Total cover and S. portulacastrum cover responded

to the interaction between marsh type and time

(Table 3). Total cover in salt marsh plots in June

2017 was lower than that at the previous five

measurement times (Fig. 2); total cover in brackish

and transition marsh plots did not vary significantly

over time. Marsh type differences in total cover

identified were lower initial (June 2012) cover in

brackish compared to salt marsh plots and lower final

cover (June 2017) in salt compared to transition marsh

plots (Fig. 2). Cover of D. spicata differed among all

three marsh types regardless of measurement time and

was lowest in brackish marsh plots (Table 4A). A

significant difference in S. portulacastrum cover was

identified for June 2017, when it was lower in salt and

transition compared to brackish plots (Table 4B).

Spartina bakeri cover responded to both time and

marsh type; it was lower in brackish compared to salt

plots and in June 2017 compared to all other

measurement times (Table 4C).

Table 1 Regression analysis results of change in soil surface vertical accretion, vertical land motion (VLMw), and estimated

subsurface change

Wetland type Vertical accretion VLMW Subsurface changea

mm year-1 P mm year-1 P mm year-1 P

Brackish 2.93 ± 0.41 \ 0.0001 0.00 ± 0.67 1.0000 3.25 ± 0.69b 0.0001

Salt 2.86 ± 0.49 \ 0.0001 - 1.67 ± 0.39 0.0003 4.53 ± 0.55 \ 0.0001

Transition 3.29 ± 0.57 \ 0.0001 - 6.45 ± 2.10 0.0053 9.74 ± 2.07 0.0001

Mangrove 6.15 ± 0.52 \ 0.0001 4.36 ± 0.31 \ 0.0001 1.65 ± 0.71b 0.0306

Data are listed by wetland type at Ten Thousand Islands National Wildlife Refuge and span the years 2012–2017. Subsurface change

was calculated by subtracting VLMW from vertical accretion. Variance from the mean value indicated is the standard error. The

number of observations in each wetland type was four (n = 4)
aPositive values indicate shallow subsidence (Cahoon, 2015)
bTwo VLMW values were missing for a brackish marsh station, and one accretion value was missing for a mangrove station. The

regression model was adjusted for these missing values when determining subsurface change
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There were no mangrove seedlings present in the

marsh RSET plots at installation. During baseline

measurements in June 2012, however, one seedling of

R. mangle was noted in a brackish marsh plot. In June

2013, there were R. mangle seedlings present in 5 of

the 12 plots. The presence of L. racemosa was first

noted in June 2014, when it was found in two plots. In

June 2017, A. germinanswas noted for the first time as

six seedlings in a single transition marsh plot. There

was a total of 82 mangrove seedlings comprised of the

three species distributed across 11 of the 12 marsh

plots in June 2017; L. racemosa was most abundant

with 39 seedlings occurring in salt and transition

marsh plots. Mangrove seedling number in June 2017

differed by marsh type (P = 0.0309); it was lower in

brackish marshes (1.75 ± 0.85) compared to transi-

tion marshes (10.25 ± 4.11), while seedling number

Table 2 Correlation analysis comparing total vegetation cover to soil VLMw and accretion by marsh type at Ten Thousand Islands

National Wildlife Refuge, Florida

Marsh type VLMw Vertical accretion Subsurface change

CC P CC P CC P

Brackish - 0.2145 0.4084 0.4905 0.0330 0.6906 0.0021

Salt - 0.0069 0.9770 - 0.6096 0.0043 - 0.5188 0.0191

Transition 0.0303 0.8992 - 0.4361 0.0546 - 0.2201 0.3511

The significance level of each Pearson correlation coefficient (CC) is indicated

Table 3 Results of a repeated-measures analysis of variance examining vegetation cover variables in rod surface elevation

table plots within three marsh types (brackish, salt, and transition) at Ten Thousand Islands National Wildlife Refuge, Florida

Cover (%) Source df num df den F P[F

Total Type 2 53 8.51 0.0006

Time 5 53 2.85 0.0235

Type 9 time 10 53 2.97 0.0049

D. spicata Type 2 53 103.89 \ 0.0001

Time 5 53 1.57 0.1853

Type 9 time 10 53 1.23 0.2931

S. portulacastrum Type 2 53 15.64 \ 0.0001

Time 5 53 3.93 0.0042

Type 9 time 10 53 2.44 0.0178

S. bakeri Type 1 35 15.27 0.0004

Time 5 35 6.20 0.0003

Type 9 time 5 35 1.89 0.1208

Variables are percent total, Distichlis spicata, Sesuvium portulacastrum, and Spartina bakeri cover; S. bakeri was not present in

transition marsh plots

Fig. 2 Total percent herbaceous vegetation cover over time on

Ten Thousand Islands National Wildlife Refuge, Naples,

Florida, by marsh type. Error bars indicate the standard error

of the mean
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in salt marshes (8.50 ± 1.55) was equivalent to both

other marsh types.

Mangrove forest extent

Mangrove forest coverage showed areas of both

contraction and expansion in 2014 imagery compared

to imagery from 2005. While northward latitudinal

movement (Fig. 3) of about 550 m was documented,

there was a negligible (10 ha) decrease in mangrove

coverage, from 7274 ha in 2005 (Krauss et al., 2011)

to 7264 ha in 2014 (our study). Patches of mangrove

mortality ranging in size from about 0.1 to 1.6 ha were

noted in the imagery (Fig. 3).

Discussion

Our study identified differences in elevation and

accretion dynamics across the coastal gradient at

TTINWR.Mangrove forest sites, located closest to the

Gulf, had significantly higher accretion rates com-

pared to marsh sites and were the only locations where

elevation gain was documented. Although the man-

grove sites in our study experienced significant

shallow subsidence, the rate of subsidence was offset

by a higher rate of vertical accretion. Higher sediment

accretion in mangrove compared to salt marsh habitats

was also found in Western Port Bay in southeast

Australia, an area where mangrove landward expan-

sion is occurring (Rogers et al., 2005). The surface

elevation increase documented at the mangrove sites

(4.36 ± 0.31 mm year-1) exceeds the recent trend

(1965–2017) of relative SLR (2.8 ± 0.45 mm year-1)

recorded at the nearest tide gauge, in Naples, FL

(NOAA, 2018b). These results indicate that the

mangrove forests we studied are resilient to SLR over

the time frame studied and, in the absence of an

acceleration in SLR rate, will maintain, or gain,

elevation over time. This is consistent with a study at a

mangrove forest near Rookery Bay, also in southwest

Florida, where fringe mangrove forests located along a

protected shoreline were found to be generally track-

ing SLR over a 2.5-year study (Cahoon & Lynch,

1997). The rate of shallow subsidence documented at

our riverine mangrove sites, at 1.65 ± 0.71 mm

year-1, was lower than that found in Rookery Bay

fringe forests, at 3 – 4 mm year-1 (Cahoon & Lynch,

1997). However, a different study in Rookery Bay

fringe forests documented a subsidence rate of about

5 mm year-1 with a surface elevation change of only

0.61 ± 1.84 mm year-1, which was lower than rela-

tive sea-level rise (McKee, 2011). The discrepancies

between the Rookery Bay studies indicate that local

variability in processes affecting elevation can be

important; large differences in surface elevation

dynamics can occur over very short distances in

coastal wetlands.

In contrast to our mangrove forest sites, significant

loss in soil surface elevation occurred at transition and

Table 4 Mean percent cover (standard error) for significant

model sources as indicated in Table 3

A. Distichlis spicata

Marsh Type

Brackish Salt Transition

7.87 (2.17)a 19.17 (2.17)b 61.46 (3.49)c

B. Sesuvium portulacastrum

Time Marsh type

Brackish Salt Transition

June 2012 0.00 (0.00) 4.00 (2.27) 0.25 (0.25)

October 2012 10.00 (10.00) 0.75 (0.25) 0.25 (0.25)

June 2013 6.25 (3.15) 5.00 (2.04) 1.50 (1.19)

June 2014 17.75 (10.96) 7.75 (3.04) 0.50 (0.29)

June 2015 10.33 (5.49) 5.25 (1.84) 0.50 (0.29)

June 2017 35.00 (16.96)a 0.25 (0.25)b 0.50 (0.29)b

C. Spartina bakeri

Marsh type

Brackish Salt

18.96 (1.92)a 35.92 (4.28)b

Time

June

2012

October

2012

June

2013

June

2014

June

2015

June

2017

23.33

(7.08)a
22.08

(6.38)a
24.58

(7.37)a
18.33

(4.37)a
14.09

(4.46)a
6.92

(2.58)b

Data are presented for the common herbaceous plant species,

Distichlis spicata, Sesuvium portulacastrum, and Spartina

bakeri that were present in rod surface elevation table plots

located in three marsh types (brackish, salt, and transition) at

Ten Thousand Islands National Wildlife Refuge, Florida.

Different letters within rows indicate significantly different

means
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salt marsh sites in TTINWR. This implies that these

sites are vulnerable to flooding stressors that can

reduce plant growth and survival, such as the devel-

opment of an anaerobic soil environment and sulfide

toxicity (Li et al., 2009; Lamers et al., 2013).

Transition marshes, with a significantly higher rate

of subsurface change compared to the other three

wetland types, therefore appear to be the most

vulnerable to submergence and transition to open

water. The significant positive subsurface change (i.e.,

subsidence) found at the marsh sites is consistent with

the study by Rogers et al. (2013), where high

subsidence was documented in a mangrove encroach-

ment zone in southeast Australia. It is possible that low

Fig. 3 Recent mangrove cover change on Ten Thousand

Islands National Wildlife Refuge, Naples, Florida. Mangrove

stands identified in imagery from both years appear in gray.

Purple indicates healthy mangrove strands in 2005 that were

dead or had transitioned to other habitat types in 2014, while

blue indicates non-mangrove habitats in 2005 that were

dominated by mangroves in 2014
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allochthonous sediment input to the more interior salt

and transition marsh sites on TTINWR contributed to

the relatively low accretion rates at these sites, and that

the low accretion cannot compensate for the higher

subsidence rates as compared to subsidence rates in

brackish marsh and mangrove sites. It is interesting to

note that the rod depth to refusal during RSET

installation was lowest at the transition marsh sites,

where the rate of subsidence was highest. Depth to

refusal cannot be considered a definitive indicator of

soil depth above the bedrock because the rods may be

deflected from the perpendicular or enter porous rock.

However, because the same installation technique was

used at all sites, variations in depth to refusal among

the sites may reflect relative variation in soil depth

above the bedrock. The comparatively shallow depth

to refusal at the transition marsh sites may therefore be

related to low sediment input.

A significant loss in soil surface elevation was

identified for the four stations (two in salt and two in

transition marshes) located within a 100-ha section

identified by Andres (2016) as displaying an increase

in pond area of 5.5 ha between 1953 and 2009,

equivalent to a 5% loss of vegetation. Although that

study did not cover the time frame of our data

collection, the long-term change (i.e., over 56 years)

in pond coverage documented may be relevant to our

findings of negative VLMw at the four salt and

transition marsh plots. The decreasing soil surface

elevation we identified may be driving mortality of

emergent marsh species and conversion to open water.

Increasing open water on TTINWR is consistent with

studies conducted along the Atlantic coast. Interior

ponding was identified as the major cause of wetland

loss on the eastern shore of Chesapeake Bay in

Maryland (Kearny et al., 1988; Schepers et al., 2017),

and extensive interior ponding was documented in

Maine coastal wetlands (Wilson et al., 2010). A higher

rate of increase in pond density on TTINWR was

documented close to Faka Union Canal, located on the

eastern border of the refuge, compared to areas farther

away; this pattern was attributed to hydrologic alter-

ations associated with the canal (Andres et al., 2019).

The Faka Union Canal was constructed in the early

1970s and cut off the Faka Union River, disrupting

water flow patterns that supported wetland develop-

ment and persistence. The increased tidal signature in

the northeastern portion of TTINWR attributed to

these alterations (Krauss et al., 2011) may be a driving

factor for marsh loss.

Total vegetation cover was not correlated with

VLMw in the RSET plots, and conflicting results were

obtained for comparisons between cover and accretion

and between cover and subsurface change, depending

on marsh type (i.e., positive, negative, or absent). For

example, there was a significant decrease in surface

elevation in transition marsh plots, where there was a

lack of correlation between cover and subsurface

change (Table 2). However, in salt marsh plots where

significant elevation loss also occurred, but to a lesser

degree compared to transition plots, a negative

correlation between the variables indicated that sub-

surface change increased (i.e., subsidence increased)

as cover decreased. This relationship would be

expected if vegetation is contributing to elevation

increase through root zone expansion or organic

matter contribution. In a confusing contrast to results

in the subsiding marsh plots, however, there was a

positive correlation of cover and subsurface change in

brackish marsh plots where elevation was maintained,

indicating that subsurface change increased (subsi-

dence increased) as cover increased. These analyses,

therefore, did not lead to consistent conclusions

regarding the relationship of vegetation cover to the

soil processes studied at TTINWR.

Differences in vegetation cover and species assem-

blage among the marsh zones were identified. Lower

total vegetation cover in salt marsh plots and lower S.

bakeri cover in both salt and brackish marsh plots at

the end of the study indicate a vulnerability to

submergence in these marshes. Total cover at brackish

marsh plots tended to increase, but the increase was

insignificant; this result was likely due to large

variation at the final measurement time. Decreasing

S. bakeri cover was visually striking at some sites

(Fig. 4), and loss of this species has been noted for the

refuge overall (Howard et al., 2017; Andres et al.,

2019). Counterintuitively, we did not find a decrease

in either total cover or D. spicata (the dominant

species) cover at transition marsh sites, where the

highest rate of shallow subsidence was documented. It

is possible that the elevation of the marsh platform at

the transition sites had not yet reached a threshold

point below which mortality of herbaceous species

would occur. Both S. bakeri and D. spicata occur in

intertidal high-marsh habitats (Maricle et al., 2007). In

general, D. spicata is considered to be relatively

123

1098 Hydrobiologia (2020) 847:1087–1106



intolerant of flooding stress (Lonard et al., 2013). The

position of D. spicata on the marsh platform has been

described as being about 10–15 cm above mean high

water to about 10 cm below mean high water (Lefor

et al., 1987), and in marshes with average water levels

of 5 cm above to 15 cm below the soil surface (Shiflet,

1963). Aboveground biomass and tiller density of D.

spicatawere reduced in a greenhouse study under high

inundation (semi-diurnal tide with high tide at 5 cm

above the soil surface) compared to low inundation

(high tide at 15 cm below soil surface), but only under

high nutrient conditions (Watson et al., 2015). In

another greenhouse study, continuous flooding to a

depth of 10 cm reduced D. spicata stem number

regardless of salinity levels (0, 10, and 25 psu; Howard

& Rafferty, 2006). Little information exists on the

flooding tolerance of S. bakeri. However, there is some

evidence of variation in the tolerance of S. bakeri and

D. spicata to environmental stressors. In a greenhouse

study that simulated a 20-cm semi-diurnal tidal cycle,

D. spicata biomass was significantly reduced under

tidal (water 15 cm above the soil surface at high tide)

compared to saturated (continuous flooding depth of

1 cm) conditions, whereas S. bakeri biomass was

equivalent under both hydrologic conditions (Howard

et al., 2016).

Mangrove encroachment was documented at all

marsh sites, and the number of colonizing mangrove

seedlings was significantly greater in transition com-

pared to brackish marsh plots. If seedling survival is

high, transition marsh sites may convert to forested

sites rather than to open water habitat despite high

subsidence rates. Because transition marsh sites were

adjacent to mangrove forests that are contiguous to the

Gulf of Mexico to the south, it is possible that greater

propagule availability contributed to relatively high

seedling recruitment at these marshes. Mangrove

establishment success in marshes can vary depending

onmarsh species composition. Facilitation is indicated

by the enhancement of mangrove propagule

a

b

c

d

Fig. 4 Photographic views along two vegetation transects

located about 10 m from rod surface elevation table stations

on Ten Thousand Islands National Wildlife Refuge, Naples,

Florida. The views are orientated north to south along the 50-m

long transects and arrows indicate the position of the south

marker post. The left photographs are of a western salt marsh

transect taken in a September 2008 and b September 2016. The

dominant vegetation in 2008 was Spartina bakeri; the

mangroves present in 2016 were Laguncularia racemosa and

Rhizophora mangle. The right photographs are of a central

(eastern location on Fig. 1) brackish marsh transect taken in

c September 2009 and d September 2016. Dominant species in

2009 were S. bakeri and Distichlis spicata, whereas in 2016 the

transect was primarily open water with a few seedlings of L.

racemosa and R. mangle among sparse cover of D. spicata and

Typha domingensis
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entrapment by some marsh plants (Lewis, 2005;

McKee et al., 2007b; Donnelly & Walters, 2014);

however, entrapment success varies with the growth

form of the herbaceous species (Peterson & Bell,

2012) and mangrove propagule size (McKee et al.,

2007b). In contrast, competitive suppression of man-

grove seedling growth by herbaceous plants has been

documented in field studies (Patterson et al., 1993;

Zhang et al., 2012; Guo et al., 2013) and in greenhouse

experiments (McKee & Rooth, 2008; Howard et al.,

2015). The dominant species in transition marshes in

our study,D. spicata, did not affect establishment of A.

germinans or L. racemosa, but it did suppress man-

grove seedling growth, in a greenhouse study (Howard

et al., 2015). Long-term studies are required to

document if degrading marshes that shift from herba-

ceous species to mangrove dominance change from a

system characterized by elevation loss to one charac-

terized by elevation gain as the forest matures.

In contrast to our results indicating sedimentation

and elevation differences among vegetation assem-

blages along a coastal gradient, studies comparing

adjacent Spartina alterniflora and A. germinans stands

in Louisiana found similar accretion rates (Perry &

Mendelssohn, 2009), and both similar accretion rates

and elevation trajectories (McKee & Vervaeke, 2018),

between the vegetation types. The Louisiana studies

were conducted near the latitudinal limit for A.

germinans, where this species is characterized by

relatively short stature (less than 5 m) with multiple

stems (Osland et al., 2014). The similarity in elevation

dynamics between marsh species and A. germinans

was attributed to similar structural densities (marsh

culm and A. germinans pneumatophore numbers) and

root matter accumulation rates (McKee & Vervaeke,

2018). In comparison, riverine mangrove forests in

south Florida, including our plots on TTINWR,

include additional species that do not form pneu-

matophores and are often composed of trees that

exceed 20 m in height (Odum & McIvor, 1990).

Mangrove forest cover change analysis on

TTINWR from 2005 to 2014 indicated a continuation

of the trend identified by Krauss et al. (2011) for the

previous 78 years; that is, the northern boundary of the

mangrove forest moved inland. However, an increase

in overall mangrove cover on the refuge resulting from

this expansion was not found. Rather, areas of

mangrove mortality offset the gains, resulting in a

10-ha reduction in overall cover. Large-scale tree

mortality in mangrove forests has been attributed to

various factors depending on geographic location,

including drought, climate variability, sediment infill-

ing, conversion to aquaculture, and hydrologic mod-

ifications that restrict tidal exchange (Blasco et al.,

1996; Lewis et al., 2016; Richard & Friess, 2016;

Duke et al., 2017; Lovelock et al., 2017; Krauss et al.,

2018). Regeneration following tree mortality can be

adversely affected by biotic factors, including propag-

ule herbivory by crabs and insects (Clarke &Kerrigan,

2002; Cannicci et al., 2008), and abiotic factors such

as hydrology (Lewis, 2005). Although we do not have

supporting data, the patchy mangrove loss we identi-

fied within established forest stands at TTINWR was

likely related to hydrologic changes. Factors that can

cause gap mortality within mangrove forests include

lightning strikes, impoundment, and intense winds

associated with tropical storms (Smith et al., 1994;

Doyle et al., 1995; McCoy et al., 1996; Sherman et al.,

2000; Cahoon et al., 2003). An intense hurricane that

affected TTINWR during the period covered by our

mapping effort was Wilma, which made landfall as a

Category 3 in October 2005 near Cape Romano,

Florida. Following tree mortality, the absence of

mangrove root growth often leads to peat collapse and,

consequently, increased standing water levels that

may prevent mangrove regeneration (Lugo, 1997;

Sherman et al., 2000; Cahoon et al., 2003). Mud flats

within the mangrove forest on TTINWR and degraded

forest stands have been noted in recent years (A. From,

personal observation). Higher water levels under the

current conditions of increasing rates of SLR may

have synergistic effects that can lead to pond forma-

tion within mangrove forests on TTINWR, contribut-

ing to an overall increase in open water habitats on the

refuge. In contrast to stress related to increasing water

levels, mangrove encroachment into salt marshes in

southeast Australia was linked to drought conditions

that led to soil compaction and elevation loss in salt

marshes (Rogers et al., 2006).

Woody species encroachment into grasslands leads

to increased aboveground primary production in sub-

humid regions (Bargar et al., 2011) and higher

aboveground carbon storage (Scharenbroch et al.,

2010; Pellegrini et al., 2014; Doughty et al., 2016). As

noted previously, vegetation shifts such as those

documented at TTINWR (Krauss et al., 2011; Howard

et al., 2017) also can affect soil characteristics. Global

data analyses comparing soils of herbaceous and
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mangrove-dominated wetlands indicated that soil

carbon sequestration rates were similar in salt marshes

and mangrove forests, leading to the conclusion that

regional or local factors (e.g., precipitation, tempera-

ture, hydroperiod) are dominant controls on soil

carbon sequestration rates (Chmura et al., 2003; Feher

et al., 2017). This conclusion is supported by a study

conducted along the northern Gulf of Mexico coast,

which indicated that carbon storage in marshes and

mangrove forests varied with environmental setting

(Yando et al., 2016). At high-precipitation sites in

Louisiana, there was little difference in soil properties

between the assemblages, including organic matter

content (Perry & Mendelssohn, 2009; Henry &

Twilley, 2013). At semi-arid, low precipitation sites

in Texas, however, soil carbon storage was increased

in mangrove forests compared to marshes at some sites

(Bianchi et al., 2013; Yando et al., 2016; Guo et al.,

2017), but was reduced at others (Comeaux et al.,

2012). A recent study in Florida documented an

increase in total soil carbon in an area of mangrove

encroachment into salt marshes over just three years

(Simpson et al., 2019). As noted by Kelleway et al.

(2016), studies at the poleward limit of mangroves

(e.g., Louisiana, Florida) may reflect the episodic

nature of mangrove expansion, where climate-medi-

ated factors can set back expansion at 30-year or

shorter intervals. In a region in Australia with a

70-year record of continuous mangrove encroachment

belowground carbon storage was increased as man-

groves replaced salt marshes (Kelleway et al., 2016).

Conversion of marsh and mangrove habitats to

open water clearly leads to a loss in aboveground

carbon storage, but effects on belowground carbon

sequestration are not so obvious. When vegetation

cover and root mass are removed, stored carbon may

be eroded and oxidized to CO2 (Mcleod et al., 2011).

In contrast, anoxic conditions resulting from perma-

nent flooding may prevent decomposition and thereby

maintain long-term carbon storage in soils, and an

increase in salinity resulting from sea-level rise in tidal

areas may slow the decomposition and carbon miner-

alization (Mcleod et al., 2011; Luo et al., 2019).

Vegetation loss due to ponding will also reduce

capacity for coastal storm protection (reviewed in

Duarte et al., 2013) and reduce habitat availability for

marsh-dependent wildlife (Kelleway et al., 2017).

Considering the vegetation shifts occurring on

TTINWR, the capacity of the system for aboveground

carbon storage will be substantially decreased if marsh

loss continues without replacement by mangroves,

resulting in conversion to open water.

Conclusions

The differences we identified in VLMw, soil accre-

tion, and subsurface change along the coastal gradient

at TTINWR suggest a trajectory of future habitat

change on the refuge. Significant shallow subsidence

and loss of elevation in interior regions of the refuge

(i.e., salt and transition marsh), likely the result of

stress from rising sea levels augmented by low

allochthonous mineral sediment input, will drive the

loss of herbaceous marsh species. Conversion of

marsh to mangrove forest habitat, a trend on the refuge

over the last several decades, will continue if condi-

tions for mangrove recruitment (e.g., water depth,

salinity, propagule predation pressure) remain favor-

able. Alternately, low mangrove recruitment com-

bined with local hydrologic alterations may drive an

increase in pond formation and an overall increase in

open water, with a consequent decrease in wetland

services provided. It is expected that increased fresh-

water input to TTINWR following full implementa-

tion of the large-scale hydrologic restoration project

(Picayune Strand Restoration Project) will enhance

the productivity of marsh species, thereby increasing

both autochthonous and allochthonous sources for

sedimentation and increasing elevation capital.

Healthy marsh habitats are expected to reduce the

rate of inland encroachment of mangrove forests and

the extent of pond formation. Future studies will be

required to document if these expectations are

realized.
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