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Abstract Simplification of communities is a com-

mon consequence of anthropogenic modification.

However, the prevalence and mechanisms of biotic

homogenization among wetland systems require fur-

ther examination. Biota of wetlands in the North

American Prairie Pothole Region are adapted to high

spatial and temporal variability in ponded-water

duration and salinity. Recent climate change, how-

ever, has resulted in decreased hydrologic variability.

Land-use changes have exacerbated this loss of

variability. We used aquatic-macroinvertebrate data

from 16 prairie-pothole wetlands sampled between

1992 and 2015 to explore homogenization of wetland

communities. Macroinvertebrate communities of

small wetlands that continued to cycle between wet

and dry phases experienced greater turnover and

supported unique taxa compared to larger wetlands

that shifted towards less dynamic permanently

ponded, lake-like regimes. Temporal turnover in

beta-diversity was lowest in these permanently ponded

wetlands. Additionally, wetlands that shifted to per-

manently ponded regimes also experienced a shift

from palustrine to lacustrine communities. While

increased pond permanence can increase species and

overall beta-diversity in local areas previously lacking

lake communities, homogenization of wetland com-

munities at a larger, landscape scale can result in an

overall loss of biodiversity as the diverse communities

of many wetland systems become increasingly similar

to those of lakes.

Keywords Biotic homogenization � Aquatic
macroinvertebrates � Beta-diversity

Introduction

Globally, freshwater ecosystems are experiencing

widespread habitat degradation and biodiversity loss

(Dudgeon et al., 2006; Reid et al., 2018). Compared to
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taxa in surrounding terrestrial communities, freshwa-

ter taxa are perhaps the most imperiled biota (Sala

et al., 2000; Reid et al., 2018). Not only are freshwater

taxa being lost at alarming rates globally, regionally

many aquatic ecosystems and their biotic communities

are becoming increasingly similar or homogenous

(Rahel, 2002; Petsch, 2016). Olden (2008) defined

biotic homogenization as ‘‘the process by which

species invasions and extinctions increase the genetic,

taxonomic or functional similarity of two or more

locations over a specified time interval.’’ In many

cases, endemic species in an ecosystem are replaced

by non-endemic invaders, often as a result of anthro-

pogenic modifications to the environment (McKinney

& Lockwood, 1999). Biotic homogenization often

results in a loss of ecosystem function and, in turn,

ecosystem health (Kinzig et al., 2001; Cardinale et al.,

2002; Vaughn, 2010). Since increased similarity

implies a decrease in variability, biotic homogeniza-

tion is often detected as temporal decreases in beta-

diversity (Olden & Rooney, 2006; Olden et al., 2018).

While many of the foundational papers exploring

evidence and mechanisms for biotic homogenization

have been rooted in the aquatic sciences, these

investigations are largely limited to fish and plant

communities in riverine and lacustrine environments

(Olden, 2006). The prevalence of and mechanisms for

biotic homogenization in wetland ecosystems remain

relatively unexplored. Therefore, a better understand-

ing of biotic homogenization in wetland ecosystems is

needed to contribute to landscape-level biodiversity

conservation efforts.

In the context of biotic homogenization, previous

investigations on the influence of climate and land-use

driven modifications to wetlands have been limited to

examination of plant communities (Houlahan &

Findlay, 2004; Aronson & Galatowitsch, 2008;

Spyreas et al., 2010). Little is known about how

widespread spatial and temporal changes in wetland

hydrology influences aquatic animal diversity, espe-

cially aquatic macroinvertebrates. One possible expla-

nation for this lack of information is that there are very

few studies on aquatic-macroinvertebrate communi-

ties that both span time periods long enough to detect a

biotic homogenization trend and have sufficient tax-

onomic resolution needed to detect fine-scale com-

munity shifts. Another possible explanation is that

wetland aquatic macroinvertebrates are highly adapt-

able to exist in these highly variable environments and

are often dominated by generalists, making them

resistant to hydrologic and anthropogenic changes

(Batzer, 2013; Janke et al., 2019).

Decreased spatial and temporal variability of

hydrological regimes and increased ponded-water

connectivity are potential mechanisms promoting

biotic homogenization. However, increased ponded-

water extent, duration, and depth combined with

decreased dissolved-ion concentrations can also make

systems less deterministic (Daniel et al., 2019). Chase

(2007) found that increasing hydroperiod and there-

fore reducing determinism in aquatic systems leads to

increased species diversity, which results in an

increase in biotic filtering (competition/predation),

stochastic processes, and subsequent beta diversity. In

such cases, increased biodiversity as a result of greater

stochasticity is predicted to increase overall produc-

tivity (Chase, 2010). Potentially this shift towards a

more stochastic assembly might be the key to under-

standing why very few aquatic-macroinvertebrate

studies have identified land-use, salinity, or water

depth as a significant driver of species richness or beta-

diversity (reviewed in Batzer, 2013). While biotic

homogenization in its strictest sense is limited to an

overall decrease in beta-diversity over time, it can also

be tied to the replacement of endemic taxa with non-

endemic taxa. This taxa replacement can at times

increase both alpha and beta-diversity in individual

wetlands (Olden & Rooney, 2006).

We contend that wetland ecosystems provide an

opportunity to gain useful insights into mechanisms

driving biotic homogenization and the susceptibility

and resistance of systems to these drivers. In order to

explore biotic homogenization in the context of

wetland aquatic-macroinvertebrate communities, we

developed three hypotheses that relate biotic homog-

enization to hydrologic variability in prairie-pothole

wetlands: (1) reduced spatial variability of wetland

hydrologic regimes over time will lead to a decrease in

mean annual between-wetland beta diversity, (2)

reduced temporal variability in an individual wet-

land’s hydrological regime will decrease mean

between-year beta-diversity in an individual wetland

over time, and (3) a reduction in wetlands that

frequently transition from ponded to dry will result

in a loss of unique macroinvertebrate communities

adapted to these conditions. We examined these

hypotheses using hydrologic and aquatic-macroinver-

tebrate data collected over a 24-year period from the
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Cottonwood Lake Study Area (CLSA), an area of the

North American Prairie Pothole Region (PPR) in east

central North Dakota. The CLSA is the most exten-

sively studied and monitored wetland complex in the

PPR. As typical for the region, wetlands in this

complex have shifted in recent decades towards longer

hydroperiods, with the larger wetlands becoming less

dynamic and lake-like over the past two decades

(McKenna et al., 2017).

Study area

The PPR is a highly cultivated landscape dominated

by agriculture making it one of the largest and most

human-modified, wetland-dominated regions on Earth

(van der Valk, 2005). The PPR consists of approxi-

mately 777,000 km2 of prairie-wetland mosaic span-

ning north and west from northwest Iowa through the

Dakotas and into central Alberta (Smith et al., 1964).

Depressional, prairie-pothole wetlands (hereafter

referred to simply as ‘‘prairie potholes’’) are the

predominant wetland type occurring in the PPR.

Prairie potholes can exhibit high spatial and temporal

environmental variation in ponded-water extent, dura-

tion, depth, and salinity. The high variation is mostly

attributable to the position of wetlands along eleva-

tion, groundwater, and geologic spatial gradients; and

temporal gradients dominated by high inter-annual

variation in precipitation (Euliss et al., 2004). Like

many wetland systems, prairie potholes support

unique biotic communities due to their hydrologic

and geochemical dynamics (Euliss et al., 1999).

Historically, biotic variation was maintained through

high spatio-temporal variability in precipitation and

temperature, in combination with the presence of

numerous, heterogenous, wetland basins on the PPR

landscape (Winter & Rosenberry, 1998; Anteau et al.,

2016). However, contemporary changes in regional

climate and land-use have been shown to alter the

spatial and temporal hydrologic variability of these

systems (Mushet et al., 2015; Cressey et al., 2016;

McKenna et al., 2017).

An estimated 60–65% of the historically present

wetland basins in the PPR have been lost due to

anthropogenic modifications, e.g., ditching, filling

(Dahl, 2014). Of these wetlands, the smaller, tem-

porarily and seasonally ponded wetlands have been

preferentially lost (Kahara et al., 2009; Serran &

Creed, 2015; Van Meter & Basu, 2015). The loss of

smaller wetlands on the landscape often consolidates

runoff into the remaining wetlands which, in turn,

decreases the number of small wetlands on the PPR

landscape while simultaneously increasing the pond

duration and size of wetlands that remain, resulting in

decreased dynamics in their response to climate

variability (Anteau, 2012; McCauley et al., 2015).

The effect of modified water flow paths can be

exacerbated by shifts in climate, especially during

periods of above or below average precipitation.

Beginning in 1993, the southern portion of the PPR has

experienced an extended, multi-decade, wet period

(Ballard et al., 2014; McKenna et al., 2017). These wet

conditions extended north into the Canadian portion of

the PPR starting in 2005 (Hayashi et al., 2016). The

increased precipitation has resulted in cascading

effects resulting in a shift towards more permanently

ponded, connected, and lake-like wetland hydrologi-

cal regimes (Mushet et al., 2015; Cressey et al., 2016;

Vanderhoof & Alexander, 2016; Vanderhoof et al.,

2016; McKenna et al., 2017). Under these conditions

ponded-water variability and dissolved-ion concen-

trations can become homogenized by shifting towards

larger and fresher ponds during wet periods (Mushet

et al., 2015; Leibowitz et al., 2016; Cressey et al.,

2016). The current shift towards more permanently

ponded and fresher wetlands in the PPR provides a

model to examine how decreased hydrologic variabil-

ity influences biotic homogenization.

The CLSA is part of a complex of U.S Fish and

Wildlife Service managed Waterfowl Production

Areas located on the eastern edge of the Missouri

Coteau in Stutsman County, North Dakota (Fig. 1).

Surface and groundwater hydrology of the sixteen

wetlands forming the CLSA complex have been

continually monitored since 1979. The wetlands

forming the CLSA wetland complex were initially

classified in 1967 into permanently (P) and temporar-

ily (T) ponded groupings. Using this original 1967

classification (Stewart & Kantrud, 1967), half (N = 8)

of the wetlands were identified as permanently ponded

and half (N = 8) as temporarily ponded. However,

under the later Stewart & Kantrud (1971) classifica-

tion system, the CLSA wetlands designated as

permanently ponded contain both semi-permanently

(N = 7) and permanently ponded (N = 1) wetlands

(Class IV and V, respectively). Similarly, the wetlands

originally classified as temporarily ponded contain
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Fig. 1 Map of prairie-pothole wetlands in the Cottonwood Lake Study Area, Stutsman County, North Dakota (from McKenna et al.

2017). Wetland P-11 (not shown) is located 3.2 km west of the core study area depicted here
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both temporarily (N = 2) and seasonally ponded

(N = 6) wetlands (Class II and III, respectively).

Additionally, inter-annual changes in precipitation

have influenced surface-water connections and extent

of ponded water, which in turn significantly altered

ponded-water permanence (Leibowitz et al., 2016;

McKenna et al., 2017).

For this study, we used the original temporary

(T) and permanent (P) wetland classifications since

they separate the wetlands that were permanently

ponded throughout the time frame of the study (P-

Wetlands) from those that cycled between ponded and

dry (T-Wetlands). Two of the wetlands originally

classified as P-Wetlands (P-3, P-8) lose water to

surface outlets, which limit maximumwater depths, so

we added in a third classification called open-basin

wetland (OB-Wetland). Since the two OB-Wetlands

are depth limited, they are typically shallower than

other P-Wetlands that have greater ponded-water

storage capacity during wet periods that allows for

emergent vegetation to occur over a greater proportion

of their area compared to other P-Wetlands (Fig. 2).

The wetlands in the CLSA are embedded within a

prairie-grassland (i.e., non-cropland) landscape and

are relatively untouched by anthropogenic landscape

alterations. The CLSA wetlands have also remained

mostly absent of sustained fish communities during the

duration of this study, apart from fathead minnows

(Pimephales promelas) and yellow perch (Perca

flavescens) being introduced into ‘‘P-11’’ in 2014 and

persisting in subsequent years, and occasional, but

temporary, invasions of fathead minnows into wet-

land P8. Thus, the CLSA wetland complex for the

most part provides an ideal system to explore

potential environmental mechanisms of biotic

homogenization in prairie potholes without the need

to disentangle the influence landscape modifications

or fish.

Data

To evaluate temporal patterns in beta-diversity and

potential drivers of biotic homogenization, we used a

combination of available biotic and abiotic CLSA

datasets. All long-term wetland monitoring data from

the CLSA are openly available from the U.S.

Geological Survey through the Missouri Coteau

Wetland Ecosystem Observatory at https://www.

sciencebase.gov/catalog/item/52f0ffd9e4b0f941aa18

1fc6. We used the following datasets for this study:

aquatic-macroinvertebrate counts (Mushet et al.,

2017a), wetland stage (ponded-water elevation;

Mushet et al., 2016), and vegetation-zone area

(Mushet et al., 2017b). Although several of the data

sets from CLSA have been collected since 1979, we

restricted most of our analyses to data from collected

from 1992 to 2015, the period that coincides with the

availability of aquatic-macroinvertebrate data.

Environmental variables

To provide context to general temporal trends in

hydrologic variability observed in CLSA wetlands, we

indexed mean annual pond duration in each basin with

measured water depths (m), the proportion of the

wetland basin that was ponded with water, and the

proportion of the wetland that classified as open water.

Water depths were manually recorded from staff

gauges that were installed within the ponded portion of

each CLSA wetland. To quantify the proportion of a

wetland basin that was ponded, we used each

wetland’s maximum water-surface elevation for each

year and overlaid the elevation as a plane onto a digital

elevation model (DEM) of the wetland complex

(Mushet et al., 2017b) using ArcGIS. From this

overlay, we calculated the area of the water-surface-

elevation plane as a proportion of the area of a water-

surface elevation plane from the date when the pond

was at its maximum pool level for the period of record

(1979–2015). We used wetland vegetation-zone delin-

eations from each CLSA wetland (Mushet et al.,

2017b) to quantify the proportion of the basin

classified as open water. Wetland vegetation zones

(wet meadow, shallow marsh, deep marsh, and open

water) were delineated annually for all CLSA wet-

lands using aerial photographs of each wetland

acquired during mid-summer using a digital camera

at altitudes of photography ranging from 300 to 1,500

m above-ground-level. Aerial photographs were geo-

referenced using computer databases and major veg-

etative zones delineated using Mapping and Image

Processing Software (MIPS). From these data, we

calculated the proportion of the wetland that was

identified as open water, i.e., the total area of open

water divided by the total area of all wetland zones.

We plotted each wetland’s depth, the proportion of the

basin that was ponded, and proportion of the basin that
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was open water over time (1979–2015). We incorpo-

rated a smoothing line with shaded 95% confidence

intervals through the mean values for wetlands by

hydrological regime. Using patterns observed in these

plots, we developed a hydroclimatic period classifi-

cation highlighting three different periods: (1) the

‘‘pre-wetting period’’ (1979–1992), (2) the ‘‘filling

period’’ (1993–1999), and (3) the ‘‘post-filling period’’

(2000–2015). The classification was based on the

observed hydrologic variability. Between 1979 and

1992, CLSA wetlands cycled between being ponded

and being dry; from 1993 to 1999, most wetland ponds

were in a period of consistent filling until their water

levels peaked in 1999; and from 2000 to 2015, the

T-Wetlands continued to frequently alternate between

ponded and dry while the P-Wetlands and OB-

Wetlands maintained high, ponded-water levels

(Fig. 2).

Biotic variables

We used aquatic-macroinvertebrate taxonomic com-

position and diversity to evaluate biotic homogeniza-

tion. Compared to other wetland fauna, aquatic

macroinvertebrates are abundant and speciose (Batzer

& Wissinger, 1996). Aquatic macroinvertebrates have

been monitored at CLSA since 1992. Recorded data

include counts and biomass by taxa (lowest feasible

resolution; typically, genus). Aquatic macroinverte-

brates were sampled at CLSA using unbaited,
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Fig. 2 aMaximum observed annual ponded-water depths (m),

b maximum ponded-water extent (%), c and open-water area

(%) for sixteen Cottonwood Lake Study Area wetlands sampled

from 1979 to 2015. For each plot, green squares represent

temporarily ponded wetlands (T-Wetlands), blue triangles

represent permanently ponded wetlands with closed basins (P-

Wetlands), and orange circles represent permanently ponded

wetlands with open basins (OB-Wetland). The solid lines

represent fitted means for wetlands by hydrological regime. The

gray-shaded areas surrounding each regression line represent the

95% confidence intervals. The black dashed lines indicate the

transition for three different time periods; the ‘‘pre-wetting

period’’ (1979–1992), the ‘‘filling period’’ (1993–1999), and the

‘‘post-filling period’’ (2000–2015)
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vertically oriented, funnel traps (Swanson, 1978).

Samples were collected monthly from random loca-

tions within each vegetation zone along three transects

in each wetland from April to September. The number

of vegetation zones present in a wetland varied by

wetland and year, therefore the number of funnel traps

used during a sampling occasion also varied by

wetland and year. Since we used funnel-type activity

traps the more benthic aquatic macroinvertebrates are

likely underrepresented in the samples. Collected

samples were stored in ethyl alcohol (80%) and

processed in a U.S. Geological Survey laboratory in

Jamestown, North Dakota. For our analyses, we

calculated mean count for each unique taxonomical

group for each wetland by year. We summarized the

CLSA aquatic-macroinvertebrate data by each unique

taxon’s mean abundance for each funnel trap used per

wetland per year. The resulting dataset consisted of

rows identifying the wetland and year sampled and

columns indicating the mean abundance of each

unique aquatic-macroinvertebrate taxon observed

during the whole study. We then created a presence–

absence matrix from the summarized aquatic-

macroinvertebrate count data to reduce the influence

of relative abundances that might result from an

uneven sampling bias.

Statistical analysis

All statistical analyses were completed in R v. 3.5.2 (R

Core Team, 2015). To visualize how water depths and

vegetation-zone compositions of CLSA wetlands have

changed over time (1979–2015) in response to clima-

tological conditions, we plotted water depth (m),

proportion of each wetland basin ponded with water,

and proportion of each wetland that was in an open-

water state. We investigated biotic homogenization of

aquatic macroinvertebrates by exploring different

measures of beta-diversity at different spatial scales

over time.

Analysis of aquatic-macroinvertebrate biotic

homogenization

The most common way to detect evidence for biotic

homogenization is through quantifications of beta-

diversity (Olden & Rooney, 2006). As different

metrics of beta-diversity may capture different aspects

of similarity between communities, we used multiple

approaches for assessing beta-diversity to evaluate

both turnover of aquatic-macroinvertebrate commu-

nities, total variation, and compositional differences of

individual wetlands. We calculated Sorensen Index-

based measures of beta-diversity on our presence/

absence matrix to calculate beta-diversity. Biotic

homogenization has been shown to occur at the local

scale (individual wetland) at which beta-diversity in

the form of temporal turnover is reduced over time,

and at the complex scale at which between-site

variation is reduced over time (Lambdon et al., 2008;

Legendre & Cáceres, 2013). For this study, we

compared within-wetland beta-diversity by compar-

ing mean annual changes in beta-diversity between

years, and we compared complex-scale beta-diver-

sity by comparing mean annual beta-diversity

between the 16 CLSA wetlands per year over the

duration of the study (1992–2015). For each metric

quantifying a measure of beta-diversity that could be

compared by wetland regime, we ran an ANOVA

model to identify differences in beta-diversity among

hydroclimatic periods and hydrologic regimes.

Hydroclimatic period was a categorical variable that

grouped observations into the ‘‘filling period’’ and

‘‘post-filling period’’ periods described above. The

‘‘pre-wetting’’ period was not used as a categorical

variable for beta-diversity type analysis since we did

not have aquatic-macroinvertebrate data for years

prior to 1992.

Our first form of biotic homogenization explored

was the simplification of between-wetland communi-

ties. We analyzed how mean beta-diversity varied

annually among CLSA wetlands using the beta.multi

function and Sorensen Index-based dissimilarities

derived from our presence–absence matrix using the

‘betapart’ package (Baslega et al., 2018). This

approach calculates three multi-site dissimilarity

coefficients: (1) Sorensen’s coefficient, a measure of

overall between-wetland beta-diversity per year,

which is partitioned to calculate (2) Simpson’s coef-

ficient, a measure of turnover without the influence of

richness differences, and (3) the nestedness coeffi-

cient, a measure of the nestedness of a site resulting

from between-wetland richness differences (Baslega,

2010). We compared each year’s mean beta-diversity,

turnover, and nestedness using data from all CLSA

wetlands. Since overall between-wetland beta-diver-

sity would be expected to decrease as the number of

wetlands used in the analysis are reduced, we chose
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not to compare total beta-diversity by hydroclimatic

period.

Our second form of biotic homogenization

explored was within-wetland biotic homogenization

over time, i.e., the reduction of between-year beta-

diversity in aquatic-macroinvertebrate communities

for each individual wetland. We analyzed within-

wetland homogenization using the beta.temp function

from the ‘betapart’ package (Baslega et al., 2018).

Using Sorensen Index-based dissimilarities on our

presence/absence matric, we partitioned between-year

mean annual beta-diversity for each sampled wetland

into three beta-diversity coefficients: (1) Sorensen’s

coefficient for total between-year beta-diversity, (2)

Simpson’s coefficient, for between-year turnover, and

(3) the nestedness coefficient, for the between-year

nestedness. For this analysis, we removed the sam-

pling period 1992 since only two wetlands contained

water during this exceptionally dry year. We plotted

total beta-diversity, turnover, and nestedness over the

23-year period. Using an ANOVA, we then compared

the average between-year total beta-diversity, turn-

over, and nestedness for all CLSA wetlands by regime

(T-Wetlands, P-Wetlands, OB-Wetlands).

To better understand the potential patterns of an

individual wetland’s contribution to diversity, we

portioned our overall spatio-temporal beta-diversity

into individual points in time. To do this, we used

Local Contributions to Beta Diversity (LCBD) anal-

yses (Legendre & Cáceres, 2013) to identify which

wetland-by-year combination contributed signifi-

cantly to either degraded or enhanced diversity. The

indices derived from LCBD analysis are comparative

indicators of how compositional uniqueness of taxa of

sites by year contribute to overall beta-diversity

(Legendre & Cáceres, 2013). The LCBD values are

the squared distances of a site to the data centroid

(Legendre, 2014). We used the beta.div function in the

‘adespatial’ package (Dray et al., 2016) using

Sorensen Index-based dissimilarities to compute

LCBD scores for each wetland and used a permutation

test based on 1,000 permutations to identify which site

by-year aquatic-macroinvertebrate communities were

significantly different in taxonomical composition to

the mean. We used an ANOVA to test if mean LCBD

scores were significantly different depending on

hydrologic regime and hydroclimatic period.

One of the common patterns in biotic homogeniza-

tion is the replacement of specialist or endemic taxa

with more ubiquitous, and sometimes, non-native

taxa. Even though our understanding of what taxa are

generalist or non-native to prairie potholes is limited,

the replacement of taxa resulting in differing aquatic-

macroinvertebrate communities over time can reveal

patterns that are potentially relevant to the process of

biotic homogenization. Thus, in addition to analysis of

beta-diversity we explored potential compositional

shifts of aquatic-macroinvertebrate taxa over time by

analyzing how specific taxa compositions have

changed. We used non-metric multidimensional scal-

ing (NMDS) to graphically display changes in CLSA

wetland macroinvertebrate community composition

for the different hydrologic regimes and hydroclimatic

periods. Our NMDS model was created using the

metamds function in the ‘vegan’ package (Oksanen

et al., 2019), in which we used Sorensen Index-based

dissimilarities on our aquatic-macroinvertebrate pres-

ence/absence matrix. We plotted each wetland by

years’ location on the first two NMDS axes and

highlighted both the hydrologic regime and hydrocli-

matic period to visually observe their aquatic-

macroinvertebrate communities in two-dimensional

space. To evaluate whether aquatic-macroinvertebrate

community compositions differed by hydrologic

regime or hydroclimatic period, we ran a PERMA-

NOVA using the Adonis function in the ‘vegan’

package (Oksanen et al., 2019).

In addition to the NMDS model, we used a

hierarchical clustering approach to create groups of

sample units (communities) of similar species com-

position to compare their distributions by wetland

regime category over time. Wetlands were clustered

by species composition using the Ward clustering

technique. We created a distance matrix based on

Sorensen Index-based dissimilarities with the vegdist

function in the ‘vegan’ package using the aquatic-

macroinvertebrate presence/absence matrix for the

years 1992 to 2015 and used the hclust function in the

‘stats’ package to create a cluster dendrogram

(Murtagh & Legendre, 2014). The cluster dendrogram

was then pruned into groups, with number of groups

being selected by the combination of how many

sample units a cluster and identifying unique branches

from the dendrogram while keeping a limited number

of unique clusters. We used the Indval function from

the ‘labdsv’ package (Roberts & Roberts, 2016) to run

an indicator species analysis and detect taxa that are

significantly associated with the selected clusters. We
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then plotted the number of wetlands belonging to each

wetland by regime category over time.

Results

Environmental changes: potential drivers of biotic

homogenization

As previously shown in McKenna et al. (2017), we

found CLSA wetlands shifted towards having

increased extent, depth, and open water after 1993

compared to the period between 1979 and 1993

(Fig. 2). The combination of year, wetland regime,

and time period all significantly influenced variation in

ponded-water depth, percentage of the wetland basin

that was ponded, and the percentage of the wetland

delineated as open water (Supplemental File,

Tables 1, 2, 3). The percentage of a basin that was

ponded and the percentage of a basin that was

delineated as open water for T- P-, and OB-Wetlands

all had dynamic and temporally coherent oscillations

of wetting and drying periods (Fig. 2). However, post-

1993 water levels in T-wetlands continued to cycle

between wet and dry, while in P-Wetlands water levels

increased and vegetation-zone extent decreased and

then remained relatively stable over time (Fig. 2). The

depth-constrained OB-Wetlands typically had less

open water due to increased area for emergent

vegetation to establish and were very stable in the

amount of open water during the ‘‘filling period’’ and

‘‘post-filling period’’ periods compared to both T- and

P-Wetlands. The primary difference in hydrologic

conditions between the ‘‘filling period’’ and ‘‘post-

filling period’’ was that T-Wetlands continued to cycle

between ponded and dry, while P- and OB-Wetlands

remained permanently ponded in more lake-like

conditions (Fig. 2).

Total beta-diversity trends

Our analysis of total Sorensen Index-based dissimi-

larity between each wetland at a given year did not

indicate a consistent increase or decrease of mean total

beta-diversity over time (Fig. 3). The between-wet-

land dissimilarity values were typically high ([ 0.7)

throughout the duration of the study (Supplemental

File, Table 4). Throughout the analyzed time period,

Table 1 Results of ANOVA model ‘‘Sorenson’s coeffi-

cient * regime ? hydroclimatic period ? regime: hydrocli-

matic Period’’ evaluating the differences in variability of

Sorenson’s Index-based dissimilarities between wetland

hydrological regime (P-Wetland, T-Wetland, and OB-Wetland)

and hydroclimatic period (‘‘filling period,’’ ‘‘post-filling

period’’) for 16 wetlands in the Cottonwood Lake Study Area

in Stutsman, County, North Dakota sampled from 1993 to 2015

Deg freedom Sums squares Mean squares F value Pr([F)

Regime 2 0.5321 0.26607 31.283 4.65e-13

Hydroclimatic period 1 0.0511 0.05112 6.010 0.0148

Regime: period 2 0.0278 0.01391 1.636 0.1965

Residuals 298 2.5345 0.00851

Table 2 Results of ANOVA model ‘‘LCBD * regime ?hy-

drologic period ? regime: hydroclimatic period’’ evaluating

the differences in variability of Sorenson’s Index-based local

contribution to beta-diversity values between wetland

hydrological regime (P-Wetland, T-Wetland, and OB-Wetland)

and hydroclimatic period (‘‘filling period,’’ ‘‘post-filling

period’’) for 16 wetlands in the Cottonwood Lake Study Area

in Stutsman, County, North Dakota sampled from 1993 to 2015

df Sums squares Mean squares F value Pr([F)

Regime 2 1.642e-05 8.212e-06 12.328 6.8e-06

Hydroclimatic period 1 1.570e-06 1.566e-06 2.351 0.1261

Regime: hydroclimatic period 2 5.730e-06 2.864e-06 4.300 0.0143

Residuals 337 2.245e-04 6.660e-07
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most of the beta-diversity was a product of turnover of

aquatic-macroinvertebrate taxa between wetlands

(Fig. 3). The ‘‘filling period’’ between 1993 and

1999 actually had lower mean annual between-

wetland beta-diversity when compared to the ‘‘post-

filling period’’ period that occurred between 2000 and

2015. This result was unsurprising considering all the

wetlands were dry during a portion of the year 1992

and rapidly begin to fill during the following 6 years

(Fig. 2) when they were likely being colonized by the

many of the same aquatic macroinvertebrates that

were either rapid dispersers or can withstand periodic

Table 3 Results of PERMANOVA model ‘‘Sorensen dissim-

ilarity matrix * regime ? hydroclimatic period ? regime:

hydroclimatic period’’ based on 999 permutations evaluating

the differences in variability of Sorenson’s Index-based

dissimilarities between wetland hydrological regime (P-

Wetland, T-Wetland, and OB-Wetland) and hydroclimatic

period (‘‘filling period,’’ ‘‘post-filling period’’) for 16 wetlands

in the Cottonwood Lake Study Area in Stutsman, County,

North Dakota sampled from 1993 to 2015

df Sums squares Mean squares F value R2 Pr([F)

Regime 2 6.602 3.3012 41.597 0.18 \ 0.001

Hydroclimatic period 1 2.955 2.9552 37.237 0.08 \ 0.001

Regime: hydroclimatic period 2 0.962 0.4808 6.058 0.02 \ 0.001

Residuals 337 26.745 0.0794 0.72
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Fig. 3 Mean Annual between-wetland-by-year Sorensen

Index-based dissimilarities derived from aquatic-macroinverte-

brate presences and absences for all 16 sampled Cottonwood

Lake Study Area Wetlands beginning in 1993 and ending in

2015. Each unique color by shape combination connected by a

solid line represents a different component of beta-diversity; (1)

the green squares represent the proportion of mean annual beta-

diversity that was attributed to turnover (Simpson’s

Coefficient), (2) the red circles represent the proportion of

mean annual beta-diversity that was attributed to nestedness

(Nestedness Coefficient), and the black triangles represent the

mean between-wetland total beta-diversity value per year

(Sorensen’s Coefficient). The vertically oriented black dashed

line indicates the transition from the ‘‘filling period’’

(1993–1999) to the ‘‘post-filling period’’ (2000–2015) on the

x-axis

123

3782 Hydrobiologia (2020) 847:3773–3793



drying events. During the ‘‘post-filling period’’ period,

there was greater overall variability in mean total

annual beta-diversity as well as the nestedness as

turnover components of the overall beta-diversity

(Fig. 3). While P-Wetlands and OB-Wetlands had

reduced hydrologic variability during the ‘‘post-filling

period’’ period, they also exhibited very different

temporal hydrologic characteristics than the T-Wet-

lands during this period compared to the ‘‘filling

period.’’ Therefore, this greater difference in hydro-

logic characteristics between hydrologic regimes

during the ‘‘post-filling period’’ period could have

been a mechanism for overall greater beta-diversity in

the CLSA complex.

Temporal turnover of beta-diversity

Overall, our analysis within-wetland, between-year

beta-diversity did not reveal any linear patterns of

consistent increases or decreases of total beta-diver-

sity, turnover, or nestedness over time (Fig. 4). Like

the between-wetland analysis of beta-diversity, the

within-wetland beta-diversity was mostly driven by

changes in turnover compared to nestedness (Fig. 4a,

b). However, overall variance of total beta-diversity

was significantly different for wetlands in the ‘‘filling

period’’ and ‘‘post-filling period’’ period (Fig. 4c,

Table 1). The wetlands with the greatest amount of

hydrologic variability over time (i.e., T-Wetlands) did

have significantly higher amounts of between-year

beta-diversity (Fig. 4c, Table 1). Therefore, we can-

not completely reject or support our hypothesis that

reduced hydrologic variability in an individual wet-

land over time would lead to reduce between-year

beta-diversity in an individual wetland over time.

Contribution of individual wetlands to beta

diversity

Our analysis of temporal variability of an individual

wetland’s LCBD was to complement our overall

between-wetland mean annual beta-diversity analysis

by partitioning the beta-diversity into individual

wetlands. The LCBD analysis did reveal temporal

patterns in each wetland’s unique contribution to beta-

diversity (Fig. 5; Table 2; Supplemental File, Fig. 1).

During the ‘‘filling period,’’ T-Wetlands declined in

mean LCBD scores, while P-Wetland and OB-Wet-

lands remained fairly constant (Fig. 5). Then in the

‘‘post-filling period’’ period T-Wetlands and

Table 4 Indicator values

of aquatic-

macroinvertebrate species

belonging to cluster-derived

aquatic-macroinvertebrate

species communities from

Cottonwood Lake Study

Area wetlands between

1992 and 2015

Clusters based on Ward’s

method of cluster analysis

of Sorensen’s Index

dissimilarities of presence/

absence-based aquatic-

macroinvertebrate

taxonomic compositions for

Cottonwood Lake Study

Area wetland (n = 16) by

year (n = 23) combinations

Taxon Common name Cluster 1

N = 118

Cluster 2

N = 95

Cluster 3

N = 26

Aedes Mosquito 0.64

Culiseta Mosquito 0.61

Aplexa hypnorum Moss bladder snail 0.52

Eubranchipus bundyi Knobbedlip fairy shrimp 0.45

Eubranchipus ornatus Ornate fairy shrimp 0.40

Cymatia Water boatman 0.79

Peltodytes Crawling water beetle 0.76

Caenis Squaregilled mayfly 0.75

Ilybius fraterculus Predaceous diving beetle 0.71

Zygoptera Damselfly 0.65

Helisoma trivolvis Marsh Ram’s Horn Snail 0.62

Aeshna Mosaic darners 0.60

Gyrinus Whirligig beetle 0.58

Limnephilidae Northern caddisfly 0.49

Glossiphonia Leach 0.42

Anax Dragonfly 0.41

Dasycorixa rawsoni Water boatman 0.78

Physa gyrina Pond snail 0.47

Sphareiidae Fingernail clam 0.42

123

Hydrobiologia (2020) 847:3773–3793 3783



P-Wetlands showed a hump-shaped mean in LCBD

scores where the gradually increased and decreased,

while the OB-Wetlands remained fairly constant. Our

ANOVA model indicated that variation of LCBD

scores differed by hydrologic regime, and that hydro-

logic regimes differed in LCBD score variation in the

different hydroclimatic periods (Table 2). We found

that when ponded, the T-Wetlands were more likely to

host significantly unique taxonomical community

compositions. Our LCBD values per wetland-by-year

plot revealed that after the year 2000, T-Wetlands

were more likely to have LCBD values that were

statistically greater than the mean (P Value\ 0.05),

indicating aquatic-macroinvertebrate communities in

these wetlands were more distinct in taxonomical

composition relative to the ‘‘average’’ aquatic-

macroinvertebrate composition over the duration of

the study. The P-Wetlands appear to increase in LCBD

values between 1995 and 2005 but decrease from 2005

to 2015 (Fig. 5).

Aquatic-macroinvertebrate community shifts

over time

Our NMDS analysis based on Sorensen’s Index-

based dissimilarities of aquatic-macroinvertebrate
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Fig. 4 Mean annual between-year Sorensen Index-based dis-

similarities based on aquatic-macroinvertebrate presences and

absences for all 16 sampled Cottonwood Lake Study Area

Wetlands beginning in 1993 and ending in 2015. Each plot

represents a different component of between-year within-

wetland beta-diversity; a the proportion of mean annual

between-year, within-wetland total beta-diversity that was

attributed to turnover (Simpson’s Coefficient), b the proportion

of mean annual between-year, within-wetland total beta-

diversity that was attributed to nestedness (Nestedness Coeffi-

cient), and c the mean annual between-year, within-wetland

beta-diversity value (Sorensen’s Coefficient). The solid lines

represent fitted means for wetlands by hydrological regime. The

gray-shaded areas represent 95% confidence intervals for each

fitted regression line. The black dashed line indicates the

transition from the ‘‘filling period’’ (1993–1999) to the ‘‘post-

filling period’’ (2000–2015)
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compositions using our presence–absence matrix

yielded a three-dimensional solution with a stress of

0.15. Since most of the variation is found in the first

two axis, we only plotted site scores on the first two

axis (Fig. 6). The NMDS plot and complementary

PERMANOVA showed wetlands varied by regime

and hydroclimatic period, and that hydrologic regime

explained the greatest amount of variation in the

Sorensen’s Index-based dissimilarity matric (Fig. 6,

Table 3), Typically, T-Wetlands were ordinated

towards the left, OB-Wetlands towards the center,

and P-Wetlands towards the right on Axis 1. There was

a lot of overlap among wetlands of different regime

categories during the early ‘‘filling period’’ period, and

reduced overlap during the ‘‘post-filling’’ period when

a majority of the P-Wetlands shifted to the right side of

the Axis 1 and towards the bottom of Axis 2,

indicating a shift in aquatic-macroinvertebrate com-

position (Fig. 6).

Our cluster analysis revealed three clusters that

were visually divergent in aquatic-macroinvertebrate

community composition and evenness of sample units

(Fig. 7, Clusters 1–3, N = 163, 84, and 96, respec-

tively). Indicator species analysis revealed that each of

the three clusters had unique, statistically significant,

indicator taxa with indicator values greater than or

equal to 0.4 (0–1 scale, Table 4). The indicator values

for cluster 1 were highest for the mosquito genera

Culiseta and Aedes, the moss bladder snail (Aplexa

hypnorum), Eubranchipus bundyi (a fairy shrimp), and

Eubranchipus ornatus (a fairy shrimp), which are all

typically associated with wetlands with shorter

hydroperiods (Den Hartog & De Wolf 1962; Cvan-

cara, 1983; Chase & Knight, 2003; Silver et al., 2012;
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Fig. 5 Temporal trends of Sorensen Index dissimilarity based

Local Contributions to Beta Diversity (LCBD) values derived

from the presence/absence-based aquatic-macroinvertebrate

compositions for Cottonwood Lake Study Area wetland

(n = 16) by year (n = 23) combinations plotted from 1993 to

2015. The y-axis represents the LCBD values, which are the

partitioned amount of beta-diversity that a single wetland in a

single year contributes to the overall beta-diversity observed in

the study. Green points represent temporarily ponded wetlands

(T-Wetlands), blue points represent permanently ponded

wetlands with closed basins (P-Wetlands), and orange points

represent permanently ponded wetlands with an open basin

(OB-Wetland). Wetland-by-year combinations with LCBD

values that were significantly greater than mean LCBD values

(alpha\ 0.05) are indicated by solid asterisks. Sites with LCBD

values not significantly greater than overall mean LCBD values

are indicated by solid circles. The solid lines represent fitted

mean LCBD values for wetlands by hydrological regime. The

gray-shaded areas represent 95% confidence intervals for each

fitted regression line. The black dashed line indicates the

transition from the ‘‘filling period’’ (1993–1999) to the ‘‘post-

filling period’’ (2000–2015)
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Libonatti & Ruta, 2018). Cluster number 2 had the

greatest number of significant indicator taxa, most of

which are indicative of clear, highly vegetated waters

(Table 4; Cvancara, 1983; Thorp & Covich, 2009).

The significant indicator taxa for cluster number 3

were Dasycorixa rawsoni (a water boatman), Physa

gyrina (pond snail), and the family Sphaeriidae

(fingernail clams), which are all typically associated

with semi-permanent or permanently ponded environ-

ments (Cvancara, 1983; Thorp & Covich, 2009).

Our plots detailing the number of wetlands by

regime belonging to each cluster revealed that the first

cluster was associated primarily with T-Wetlands and

OB-Wetlands, while cluster two had a high frequency

of occurrence in all regime categories until the year

2002, when only T-Wetlands and OB-Wetlands were

grouped into the cluster (Fig. 8). The P-Wetlands

changed in cluster representation over time, during the

first two years, most of the P-Wetlands shifted from

cluster 1 to cluster 2, and by 2002 all had shifted to

cluster 3 and remained there throughout the remainder

of the study (Fig. 8). The only P-Wetland that

occurred in cluster 3 prior to 1999 was P-11, the only

CLSA wetland originally classified as a Class V,

permanently ponded wetland. The T-Wetlands and

OB-Wetlands often cycled between being part of

clusters 1 and 2, except from 2002–2004 when one of

the T-Wetlands (T-3) belonged to cluster number 3

(Fig. 8). This is also the period when ponded water

from one of the P-Wetlands (P-1) was merged with

T-3. Over time P-Wetlands experienced a shift to more

permanent and stable water regimes that was reflected

by an increase in their frequency in cluster member-

ship associated with lacustrine communities (Figs. 2,

8). During the early portion of the study, except for

Wetland P-11, P-Wetland aquatic-macroinvertebrate

communities were grouped into cluster 1 much like the

T-Wetlands and OB-Wetlands. However, they shifted

from cluster 1 to cluster 2 in 1995 and remained there

until 2001, and then shifted to cluster 3 in 2002

(Fig. 8).
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Fig. 6 Non-metric multidimensional scaling ordination (k = 3,

stress = 0.15) analyzed from Sorensen’s Index-based dissimi-

larities of presence/absence-based aquatic-macroinvertebrate

taxonomic compositions for Cottonwood Lake Study Area

wetland (n = 16) by year (n = 23) combinations. Hydrologic

regime by hydroclimatic period categories was indicated by

unique color by shape combinations. Open-basin wetlands (OB-

Wetlands) during the ‘‘filling period’’ (1993–1999) are indicated

by golden circles, open-basin wetlands during the ‘‘post-filling

period’’ (2000–2015) are indicated by dark orange circles,

permanently ponded wetlands (P-Wetlands) during the ‘‘filling

period’’ (1993–1999) are indicated by light-blue squares,

permanently ponded wetlands during the ‘‘post-filling period’’

(2000–2015) are indicated by dark blue squares, temporarily

ponded wetland (T-Wetlands) during the ‘‘filling period’’

(1993–1999) are indicated by light-green triangles, and tem-

porarily ponded wetlands during the ‘‘post-filling period’’

(2000–2015) are indicated by forest-green triangles
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Discussion

We found that within the relatively undisturbed

confines of the CLSA, which hosts a variety of

different sized wetland basins, there was no long-term

pattern of reduced beta-diversity. However, if beta-

diversity and hydrologic variability patterns observed

at the CLSA are comparable to the surrounding more

modified portions of the prairie-pothole region, there

might be a greater concern for biotic homogenization

on the landscape. We found that the T-Wetlands had

more temporally variable hydrologic regimes, more

temporal turnover of beta-diversity, greater contribu-

tions to overall beta-diversity during the study and

occupied a larger but unique gradient of our NMDS

ordination compared to the more hydrologically

stable P-Wetlands and OB-Wetlands. Considering

that approximately 60–65% of prairie potholes have

been drained (Dahl, 2014), and a disproportionate

number of those wetlands are smaller more temporar-

ily ponded basins (Serran & Creed, 2015), then the

assumed loss of these smaller wetlands would result in

a loss of unique aquatic-macroinvertebrate

communities and subsequent decreases in total beta-

diversity from portions of the landscape. Since all

closed basin P-Wetlands shifted to more lake-like

systems during this study and T-Wetlands continued to

cycle between ponded and dry, the aquatic-macroin-

vertebrate community type we categorized as typically

associated with temporarily ponded or shallow, highly

vegetated wetlands was no longer present during the

latter portion of the study (Fig. 8). In addition to the

loss of smaller wetland basins, many PPR studies have

also indicated that semi-permanent type wetlands are

shifting to deeper, lake-like wetlands throughout a

large portion of the PPR (Ballard et al., 2014; Cressey

et al., 2016; Hayashi et al., 2016). Our cluster

frequency analysis and NMDS analysis indicate that

this hydrologic shift towards more lacustrine water

regimes could potentially result in a shift in aquatic-

macroinvertebrate communities in these wetlands.

Even though the 25-year dataset used to evaluate

this temporal trend contains a longer temporal gradient

than any other known aquatic-macroinvertebrate study

conducted in prairie-pothole wetlands, it begins in a

year in which most of the wetland ponds were

Cluster 1 (n=163) 2 (n=84) 3 (n=96)

Fig. 7 Dendrogram representation of Ward’s method of cluster

analysis of Sorensen’s Index dissimilarities of presence/

absence-based aquatic-macroinvertebrate taxonomic composi-

tions for Cottonwood Lake Study Area wetland (n = 16) by year

(n = 23) combinations. The dendrogram was pruned to three

unique clusters that are indicated by differently colored

branches. Cluster number 1 (n = 163) is represented by green

branches, cluster 2 (n = 84) by red branches, and cluster 3

(n = 96) by blue branches
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completely dry and then immediately transitioned to a

period of deluge (Winter & Rosenberry, 1998). The

deluge caused the wetlands to rapidly increase in depth

in the following five years before stabilizing at higher

levels than previously present (Fig. 2). This does not

capture the historical dynamic temporal variability of

hydrological conditions in P-Wetlands, in which there

were more frequent hydrological fluctuations. As a

result, we cannot conclusively compare aquatic

macroinvertebrates during historical, and arguably

more ‘‘normal,’’ hydrological regimes to their current

state.

While we hypothesized that both between-wetland

beta-diversity and between-year beta-diversity in

individual wetlands would decrease when hydrologic

characteristics between wetlands and between years

become less variable, we observed a trend where

P-Wetland exhibited the most beta-diversity during

the early portion of the ‘‘post-filling period’’ period

(2000–2006). We hypothesize that this might indicate

a shift towards increases in stochastic assembly

processes and biotic interactions that are intrinsic to

each wetland and that can increase overall composi-

tional dissimilarity, even in seemingly homogenous

habitats. For example, many of the P-Wetlands had

high turnover in the years 2001 and 2002 (Fig. 4). We

hypothesize this change may be due to an iridovirus

outbreak that decimated tiger salamander (Ambystoma

mavortium) populations at CLSA in 2000 (Dooley,

2001). Tiger salamanders are the native top aquatic

predators in these more permanently ponded systems

and their presence can alter the abundance and

composition of aquatic macroinvertebrates (Holo-

muzki et al., 1994; Benoy, 2008). Their abundances
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Fig. 8 Scatterplot indicating the number of Cottonwood Lake

Study Area wetland (n = 16) by year (n = 23) combinations

belonging to a cluster 1, b, cluster 2, and c cluster 3 of Ward’s

method of cluster analysis of Sorensen’s Index dissimilarities of

presence/absence-based aquatic-macroinvertebrate taxonomic

compositions during the years 1992 to 2015. Each unique point

by color combination represents the hydrological regime

category for each wetland. The black dashed line indicates the

transition from the ‘‘filling period’’ (1993–1999) to the ‘‘post-

filling period’’ (2000–2015)
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rapidly increased post-1993 and peaked in the year

2000 (Mushet & Solensky, 2018). When the predatory

salamander population collapsed following the viral

outbreak in 2000, it allowed many aquatic-macroin-

vertebrate populations to increase. This time frame

also coincides with when P-Wetlands had the highest

LCBD values (Fig. 5; Supplemental File, Fig. 1),

indicating that beta-diversity in these wetlands was

highest during those years.

While we were not surprised by the results of

T-Wetlands having typically higher LCBD scores

when ponded, the ecological mechanisms behind these

results are less understood.When relating the results to

hydrologic variability, the continuation of dynamic

water regimes and fluctuating environmental condi-

tions have likely made T-Wetland aquatic-macroin-

vertebrate communities less susceptible to biotic

homogenization. T-Wetlands did show a mean

increase in ponded water, but they continued to

fluctuate between wetting and drying phases, which

resulted in fluctuations in the amount of the basin that

was in open water vs. a vegetated marsh state. The

frequent drying of T-Wetlands can result in periodic

reshuffling of aquatic-macroinvertebrate communities

which would result in higher beta-diversity and

resulting between-wetland differentiation due to eco-

logical drift. Another not mutually exclusive hypoth-

esis is that the more temporally homogenous

hydrologic characteristics in P-Wetlands and OB-

Wetlands result in different in taxonomic composi-

tions of macroinvertebrate communities between the

more permanently ponded hydrologic regimes and the

more temporarily ponded regimes. This is because

there is likely a subset of taxa that either require period

drying to complete their life-cycle so they only

occurred in wetlands that periodically dry up and

another subset of taxa that cannot tolerate desiccation

(Gleason & Rooney, 2018). This is supported by the

patterns in our NMDS ordination (Fig. 6) and cluster

representation (Fig. 8, Table 4). Using natural history

characteristics of indicator taxa from the first cluster,

we can arguably categorize this cluster as the

temporarily ponded wetland macroinvertebrate com-

munities. Mosquitos typically have short larval life

cycles and flying adults can colonize and disperse to

newly ponded wetlands; and their survival in wetlands

that dry periodically is typically much higher than in

those that remain ponded (Chase &Knight, 2003). The

moss bladder snail (Aplexa hypnorum) is typically

only found in temporarily ponded wetlands; and the

eggs and larval stages of this snail are freeze-and-

desiccation tolerant (Den Hartog & De Wolf, 1962).

The knobbedlip fairy shrimp (Eubranchipus bundyi)

deposits eggs in dry wetland basins and will rapidly

hatch after seven days post-thaw in the spring,

allowing them to persist under very limited ponding

periods (Dabron, 1976). Cluster number two contains

a diverse combination of insects and crustaceans that

can occupy a wide gradient of hydrologic regimes, and

many of these taxa are associated with emergent or

submergent vegetation characteristic of semi-perma-

nent wetlands (Thorp & Covich, 2009). Cluster 3

captures the more permanently ponded or lake-like

wetland macroinvertebrate community. The strongest

indicator was Dasycorixa rawsoni (a water boatman).

This species is associated with permanently ponded

waterbodies and were first observed in the CLSA in

1998 and 1999. They subsequently became extremely

numerous in relative abundance in the following years

(Hanson et al., 2003; Mushet et al., 2018).

Importance of temporarily ponded wetland

contributions to biodiversity

There has been an observed disproportionate amount

of smaller temporarily ponded wetlands that have lost

hydrologic function on the landscape (Serran &Creed,

2015; VanMeter & Basu, 2015). There has also been a

potential loss of the unique aquatic macroinvertebrates

associated with these systems. This potential loss of

specialist taxa is concerning due to the widespread loss

of temporary wetlands on the landscape and their

continued susceptibility to climate change, drainage,

and filling with sediments (Serran & Creed, 2015;

Creed et al., 2017). The loss of temporally ponded

wetlands has been an identified threat to fairy shrimp

(Anostraca) in wetland systems across the United

States (Angeler et al., 2008). Fairy shrimp are

important to breeding waterfowl in the region, espe-

cially during early spring since when they are among

the first available invertebrates for consumption by

arriving migratory waterfowl (Eldridge, 1990). A

gadwall (Mareca strepera) diet study conducted in

central North Dakota found that fairy shrimp com-

prised 2/3 of the pre-egg-laying diet and 33% of the

full breeding-season diet of gadwall hens (Serie &

Swanson, 1976). This preference was hypothesized to
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be a result of the high quantities and diversity of amino

acids found in Anostracans (Serie & Swanson, 1976).

Importance of permanently ponded wetland

contributions to biodiversity

When compared to wetlands of different hydrologic

regimes, permanently ponded wetlands also contain

uniquely adapted aquatic-macroinvertebrate commu-

nity compositions (Figs. 6, 8). During drought events

that cause smaller wetland basins to dry these systems

provide refugia to organisms that are not adapted to

desiccation (Mushet et al., 2013). While larger more

permanently ponded wetlands are less vulnerable to

drainage, outside of protected areas such as the CLSA,

many are still vulnerable to anthropogenic degradation

such as increased nutrients inputs, chemicals, and

sedimentation due to runoff (Gleason & Euliss, 1998;

Guntenspergen et al., 2002; Main et al., 2014). The

contemporary hydrologic shift towards deeper and less

saline systems (Mushet et al., 2015; Cressey et al.,

2016) is believed to have facilitated an increase in the

distribution of fish in previously fishless habitats

which in turn alter the resident biotic communities

(Zimmer et al., 2001, 2002; Hanson et al., 2005;

Wiltermuth, 2014; McLean et al., 2016a). The inva-

sion of fish into prairie potholes has had a negative

impact on aquatic macroinvertebrates in larger wet-

lands (Anteau & Afton, 2008; Anteau et al., 2011;

Wiltermuth 2014; McLean et al., 2016b). In addition

to fish directly altering aquatic-macroinvertebrate

abundance and distribution through competition and

predation, the reduction in macroinvertebrates that

feed on algae can promote algal blooms, causing a

regime shift from a clear submergent vegetation state

to a turbid eutrophic state, thus reducing aquatic-

macroinvertebrate habitat and trophic complexity

(Hanson & Butler, 1994; Scheffer & Jeppesen,

2007). However, our understanding of taxa that were

historically present in prairie potholes compared to

more lacustrine systems of the PPR is limited by our

lack of long-term distributional data for prairie-

pothole biota.

Conclusions

Prairie-pothole wetlands occur in a highly modified

landscape and are susceptible to land-use and climate

changes. Historically, wetlands in the region were

subjected to highly variable environmental conditions.

In recent years, land-use modifications and climate

change have resulted in less spatial and temporal

variation in wetland ecosystems. These characteristics

have likely facilitated some form of biotic homoge-

nization; however, our ability to detect homogeniza-

tion at larger spatial and temporal scales is challenged,

as there are few long-term biomonitoring efforts in the

region. We provided examples of how aquatic-

macroinvertebrate dynamics differ by ponded-water

regimes. More information is needed to determine

which prairie-pothole species are susceptible to

replacement and their preferred habitats. It may also

be important to understand the resiliency of the native

biotic communities if prairie-pothole ponded-water

dynamics were to return to their historical state. Since

the macroinvertebrate communities of wetlands that

typically dry appear to be more resistant to biotic

homogenization, long-term maintenance of biodiver-

sity in prairie-pothole complexes would require a

priority being placed on the conservation and restora-

tion of wetlands with temporally ponded and season-

ally ponded water regimes on the PPR landscape.
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