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Abstract In the context of global change, eroded
soil carbon fate and its impact on aquatic ecosystems
CO, emissions are subject to intense debates. In
particular, soil carbon mineralization could be
enhanced by its interaction with autochthonous car-
bon, a process called priming effect, but experimental
evidences of this process are scarce. We measured in a
microcosm experiment simulating oligo-mesotrophic
and eutrophic aquatic conditions how quickly soil
organic matter (SOM) sampled in diverse ecosystems
was mineralized as compared to mineralization within
soil horizons. For both nutrient loads, 13 C-glucose was
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added to half of the microcosms to simulate exudation
of labile organic matter (LOM) by phytoplankton.
Effects of LOM on soil mineralization were estimated
using the difference in 8'>C between the SOM and the
glucose. After 45 days of incubation, the mean SOM
mineralization was 63% greater in the aquatic context,
the most important CO, fluxes arising during the first
days of incubation. Nutrients had no significant effect
on SOM mineralization and glucose addition
increased by 12% the mean SOM mineralization,
evidencing the occurrence of a priming effect.
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Introduction

Although global stocks of carbon are relatively well
known, their dynamics are still poorly understood
(Houghton, 2007). Soils represent the largest conti-
nental stock of carbon with 1,700 Tg of C (Berhe
et al., 2005). The annual rate of soil erosion varies
between 36 and 75 Tg and affects more than 1.1
billion hectares around the Earth with 1.5-5.0%
C-content corresponding to a range from 0.54 to
3.75 Tg of organic C (OC) year ' which can ulti-
mately end up as dissolved (DOC) or particulate
organic carbon (POC) in aquatic ecosystems (Berhe
et al., 2005). Soils are eroded by wind, tillage, or water
runoff. Between 20 and 25% of the eroded soil organic
matter (SOM) is transferred into aquatic systems at a
global scale with wide variations across soil types
(Lal, 2003). The external supply of organic matter,
such as eroded SOM, plays a major role in the C cycle
of aquatic ecosystems (del Giorgio et al., 1997; Dodds
& Cole, 2007). Nevertheless, whether eroded SOM is
a C-sink through burial in aquatic sediments (Smith
etal.,2001; Van Oost et al., 2007) or a C-source due to
rapid outgassing (Lal, 2003, 2005; Lal & Pimentel,
2008) is still strongly debated. Inland waters are now
considered as important sources of CO, exchange
(Aufdenkampe et al., 2011) and in particular miner-
alization of allochthonous organic matter is an
important fraction of the CO, emitted by inland
waters (25-33% of the total CO, emission, McCall-
ister & Del Giorgio, 2012).

Erosion is a complex phenomenon composed by
different steps. For water erosion, it starts when
raindrops impact the surface. If the energy of the
impact is sufficient, a part of soil may be blown off.
Then, the soil is transported by runoff and may be
buried through sedimentation or may be transported to
the sea. During all this process, a part of SOC could be
mineralized (Terrence et al., 2002). Cole et al. (2007)
estimated that ca. 43% of the allochthonous organic
matter was mineralized in the aquatic ecosystems
whereas only 10% was buried in inland waters and
47% was transported to the sea. The great majority of
the studies about the C emission due to erosion are
focused on the last steps of the erosion processes
(Smith et al., 2001; Van Oost et al., 2007) whereas the
first step when soil is blown off and is transferred into
shallow aquatic systems is far less known. Yet, it
represents a huge modification of the environmental

@ Springer

conditions for the microbial community potentially
leading to strong changes in soil mineralization rates.

In terrestrial ecosystems, SOM stability is con-
trolled by three key mechanisms (von Lutzow et al.,
2006) whose relative importance remains poorly
understood. Firstly, SOM is stabilized by interactions
with mineral surfaces and metal ions. In aquatic
ecosystems, stabilized SOM can be buried into the
sediments and potentially acts as a sink of carbon
(Dean & Gorham, 1998). However, re-suspension is
important in shallow aquatic ecosystems (Hamilton &
Mitchell, 1996), potentially reducing the sink capac-
ity. Secondly, SOM may be protected from microbial
enzymes by occlusion in soil aggregates. Most con-
tinental aquatic ecosystems are shallow (Wetzel,
1990) with turbulent mixing. Thus, SOM decomposi-
tion should be enhanced in water by physical break-
down of aggregates (Lal, 2003). Thirdly, some
complex macromolecules in SOM may be recalcitrant
to mineralization because microorganisms are unable
to synthesize the enzymes that would degrade them.
However, recent studies (Hamer et al., 2004; Fontaine
et al., 2007) have discussed the capabilities of soil
microorganisms to increase the mineralization rate of
recalcitrant organic matter if extra energy is supplied
as labile organic matter (LOM). Such a phenomenon is
known as the priming effect (PE) (Kuzyakov et al.,
2000). PE may be negative (LOM amendment reduces
SOM mineralization) but positive PE (LOM amend-
ment increases SOM mineralization) is generally
observed (Kuzyakov et al., 2000). PE is controlled
by several and sometimes antagonistic mechanisms
such as microbial biomass increase due to extra-LOM
supply, nutrient mining induced by stoichiometric
imbalances between the microorganisms and their
substrates, or preferential use of LOM instead of SOM
(Guenet et al., 2010a).

In terrestrial systems PE is quantitatively important
as it can induce a negative net balance between the
input of LOM and the C lost through CO, emissions
(Fontaine et al., 2004). Although many studies have
detected PE in soils, the occurrence of PE is much less
obvious in aquatic ecosystems (Farjalla et al., 2009;
Nugteren et al., 2009). Yet, some observations suggest
the existence of a PE in aquatic systems. For instance,
De Haan (1977) showed that the addition of benzoate
considered as a labile substrate increased the decom-
position of fulvic acids by an Arthrobacter strain
from Tjeukemeer lake (The Netherlands). Shimp &
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Pfaender (1985) observed that addition of amino acids
stimulated the mineralization of phenols by a natural
microbial lacustrine community. Danger et al. (2013)
showed that fungi are more efficient to decompose
litter in presence of algae compared to controls
without algae. Such effect was observed only when
nutrient concentrations were low. Finally, PE might be
expected to be of major importance in freshwater and
marine ecosystems, where LOM is produced in
substantial amounts as for example phytoplankton
exudates or labile fractions of plant detritus, but only
few observations have been reported (Guenet et al.,
2010a). Moreover, to our knowledge no study dealt
with the occurrence of PE on soils when these latter are
introduced in aquatic systems through erosion for
example.

In this study, we first compared the amount of
mineralization of SOM, originating from four con-
trasting soils, in aquatic and terrestrial context. The
occurrence of an aquatic PE was also investigated
by adding '*C-labeled glucose as LOM. Finally, the
influence of trophic conditions on SOM mineralization
in aquatic context and on aquatic PE was studied by
adding two different amounts of mineral nutrients
(nitrogen and phosphorus) in microcosms to simulate
oligo-mesotrophic and eutrophic conditions. We first
hypothesize that SOM mineralization rates may be
higher in aquatic than in terrestrial systems due to
aggregate breakdown, particularly in shallow systems
with turbulent mixing. Secondly, we hypothesize that
PE should occur in aquatic systems, contributing
significantly to the acceleration of SOM mineraliza-
tion. Since PE intensity is driven by the nutrient
availability (Guenet et al., 2010a), nutrient load and
SOM C:nutrient ratios are likely to be major drivers of
the phenomenon. In terrestrial context, high nutrients
loads reduce the PE intensity but it is generally not the
case in aquatic context (Guenet et al., 2010a). We
therefore assume that high nutrient loads may increase
the PE intensity.

Materials and methods
Soils
To broaden our conclusions and to avoid pseudo-

replication, we chose to integrate a large range of
SOM quality through the selection of four contrasting

soils as independent replicates, three representative of
SOM from major agro-ecosystems in Europe (crop-
land, grassland and forest) and one long-term bare
fallow soil considered as a surrogate of stabilized
SOM (Balabane & Plante, 2004; Barré et al., 2010).
The four highly contrasted SOM were used as
independent replicates. The first two were cambisols
(WRB), and were sampled at the Centre de Recherche
en Ecologie Expérimentale et Prédictive (CEREEP-
Ecotron Ile de France, ENS, St Pierre Les Nemours,
France). One was sampled under deciduous forest
dominated by Quercus robur, Quercus petraea and
Carpinus betulus L and is called “Forest soil.” The
second was sampled under grassland dominated by
gramineae and is called “Grassland soil.” The two last
soils used were Eutric cambisols (WRB) and were
sampled at two long-term experimental sites at the
Institut National de la Recherche Agronomique
(Versailles, France). The first one was sampled at
the Closeaux site. The Closeaux experiment is a
chronosequence of C4 crops planted on a soil with an
organic matter of C3 origin. The site is managed as
classical cropland sites in this area. We used the
control plot, which has always been under C3 plant
rotation and under wheat monoculture since 1993.
This soil is called “Cropland soil.” The second soil
was a bare fallow soil, sampled from the control plots
of the “42 plots experiment.” The control plot of this
long-term experiment is a fallow soil that has been
maintained bare and without addition of organic
matter or other fertilizer since 1929. This soil is called
“Bare fallow soil.” The plots were initially weeded
manually and, since 1967, herbicides have been
applied to prevent weed growth. In this study, we
consider that this particular SOM as a surrogate for
stable SOM as has been proposed in previous studies
(Balabane & Plante, 2004; Barré et al., 2010; Guenet
et al., 2010b) even if effect of herbicides on soil
decomposers is not well understood (Johnsen et al.,
2001). The four soil samples were collected using a
shovel in the surface layer (0-20 cm), air-dried during
48 h and sieved (2 mm). The size of the layer is
relevant in the context of erosion since it corresponds
to the tilled layer, which is the layer impacted by
erosion. Furthermore it must be noted that we used
only soils without carbonates to avoid noise in our
respiration signal due to carbonates dissolution
(Chenu et al., unpublished data; Raynaud et al.,
unpublished data).
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Soil characterization

C and N contents were measured using a CHN
analyzer (Carlo Erba, NA 1500, AS 128) with
acetanilide as standard. For each soil, hydrophilic
and hydrophobic fractions were extracted from a
homogenized subsample (60—110 mg) using an accel-
erated solvent extractor (ASE 100, Dionex) at 100°C
and 107 Pa. Hydrophilic compounds were first
extracted with H,O (3 x 5 min), concentrated under
reduced pressure, freeze-dried, and weighted. The
hydrophobic fraction was subsequently extracted
using methanol (MeOH, 1 x 5 min) followed by
extraction with a mixture of dichloromethane
(DCM):MeOH (93:7, v/v; 3 x 5 min). The MeOH
and DCM/MeOH extracts were pooled and dried over
Na,SO,4. Solvents were removed under reduced
pressure and hydrophobic compounds weighed.

The freeze-dried hydrophilic extracts were dis-
solved in a known volume of H,O and assayed for
sugars and proteins. Sugar contents were determined
by the phenol-sulfuric acid colorimetric method
(Dubois et al., 1956) with glucose as standard. The
protein contents were determined by the colorimetric
method of Lowry (Lowry et al., 1951) with bovine
serum albumin (BSA) as standard. Sugars and proteins
were respectively expressed as mg of glucose and
BSA equivalent per gram of C-SOM.

3"*C-glucose

Uniformly '*C-labeled glucose was obtained from
Sigma-Aldrich (St Louis, USA). The initial 8'3C value
was 8,809,023%o. It was diluted (1:20,000) with non-
labeled glucose (Sigma-Aldrich, St Louis, USA), in
order to respect technical constraints of the isotope ratio
mass spectrometer. The final §'°C value of glucose was
—7%o. Controls were performed to check the stability of
the 8'*C-CO, deriving from glucose mineralization by
incubating a microbial community in a mineral medium
with glucose as the sole carbon source.

Experimental unit

Incubations were performed in 120-ml glass flasks
closed with an airtight septum. The terrestrial system
was simulated by incubating 20 g of dried soil re-
moistened at 80% of the field capacity. Soil incubations
are classically performed at such moisture levels
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(Gastine et al., 2003; Loranger-Merciris et al., 2006).
The aquatic system was simulated by incubating
50 mg C-soils completed with different amounts of
pure Fontainebleau sand to finally obtain the same soil
weight in each flask and the same ratio between the C
added from the soils and the nutrients available in the
COMBO medium, 1 ml of lake water (Créteil, France)
filtered through a 0.7 pm GF/F filter to exclude potential
microorganism predators, and 2 ml of mineral medium.
Water (Milli-Q) added to a final volume of 21 ml. The
amount of C in the terrestrial system is higher than the in
the aquatic systems but the volume occupied by the soils
in terrestrial system is equivalent to volume occupied by
the mix in the aquatic systems and therefore the oxygen
availability is similar. Since the volume of air in the
headspace is equivalent and since we expressed the
results by g C added, we assume that such differences did
not impact our results. Therefore the flask headspace
corresponded to a volume of 99 ml. Two types of
modified COMBO (Kilham et al., 1998) (NH4NO;
replacing NaNO; as N source) were used as mineral
medium to simulate the low (3.8 pM of Nand 0.11 uM
of P) and the high (38 ptM of Nand 1.1 puM of P) amount
of N and P. It corresponded to a moderate load of
nutrients similar to that observed in oligo-mesotrophic
ecosystems or to a high nutrient load, similar to that
observed in eutrophic ecosystems (Carlson & Simpson,
1996). The pH of the COMBO was 6.5 and since the
buffering capacity of the COMBO is quite high, we
assumed that the pH was constant and around 6.5 during
the experiment. In addition, to investigate a possible
‘PE’, i.e., acceleration of SOM mineralization in the
aquatic system, we performed extra-treatments by
adding a uniformly '*C-labeled glucose amendment to
each nutrient load. These treatments mimic the avail-
ability of LOM in aquatic systems such as algal exudates
that could accelerate mineralization of SOM (Mykles-
tad, 1995). In the aquatic system, 1 ml of glucose
solution (2.5 g C-glucose 17!, 8'°C = —7%o) corre-
sponding to a final concentration of 50 mg C-glu-
cose g~ ' C-soil (120 mg C-glucose 17") was added to
the flasks. This amount of glucose is comparatively high
to what is observed in aquatic ecosystems (Goodman
et al., 2011) but corresponds to a classical input in
priming effect experiments in terrestrial context (Fon-
taine et al., 2004; Guenet et al., 2010b). Controls with
low and high nutrient loads and without glucose were
performed to calculate the effect of glucose addition on
the SOM mineralization. The flasks were incubated in
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the dark during 45 days at 20°C. For aquatic systems, the
flasks were gently mixed using a mixing machine at 60
round per minute during the incubations to simulate
turbulent mixing. Measurements of CO, and &'*C were
carried out after 2, 8, 15,22,29,36, and 45 days. Finally,
we have five modalities: terrestrial context, aquatic
context with low nutrient load, aquatic context with low
nutrient load and with glucose, aquatic context with high
nutrient load and aquatic context with high nutrient load
and with glucose. As previously explained, we used the
different soils as independent replicates to avoid pseudo-
replications and to broaden our conclusions.

CO, and 8'>C measurements

For each simulated system, the CO, concentration was
determined using MICROGC (Agilent 3000A, Santa
Clara, CA, USA) and carbon isotope ratios were
measured using an automatic unit that coupled a Gas
Chromatograph (Hewlett-Packard, 58900) with an
isotope ratio mass spectrometer (Isochrom III, Micro-
mass-GVI Optima). At the start of the experiment and
after each CO, measurement, all flasks were flushed
with reconstituted, moistened and CO,-free air.

The PE was calculated as the difference between
CO, derived from SOM mineralization when glucose
was amended and the CO, derived from SOM
mineralization without glucose addition.

PE = o x Qsample - Qconlrol

with Qgample is the amount of CO, in the flask
headspace with glucose and Qconrop is the amount of
CO;, in the control flask headpsace

and o= (Aglucose - Asample)/(Aglucose - Acontrol)

Aglucoses Asamples A0d Aconrol TEPrEsent respectively the
13C isotopic abundance of glucose, of CO, in the
sample headspace and of CO, in the control head-
space.'>C isotopic abundance is derived from the 5'*C
as follows:

0PC = [(Rsample/Rpav) — 1] x 1000  with
Rpa» = 0.0112372
Asample = Rsample/(l + Rsample)

Statistical analysis

All statistical analyses were performed using R 2.7.1
(R Development Core Team, 2008). We ran linear

mixed effect model with the soil as random effect. We
first analyzed the mineralization of the data obtained
with the incubation without glucose to test the time
and the context effect (aquatic vs. terrestrial) as well as
their interaction and then we analyzed the data of the
incubation in only aquatic context to test the time, the
glucose and the nutrient load effect as well as their
interaction. Since we split our dataset we applied
Bonferroni corrections to conclude on the signifi-
cance. Because of non-normality and heteroscedastic-
ity, data were rank-transformed before analysis. We
then performed Tukey post hoc tests using the
multcomp package of R 2.7.1.

Results
Soils

Chemical analyses of soils revealed strong differences
in the characteristics of the studied soils (Table 1).
Particularly, bare fallow soil contained a very low
C-content (4.7 mg C g~' soil), whereas the carbon
content of forest soil was fourfold higher than that of
bare fallow soil. C/N ratio of the forest soil was threefold
higher than that of the bare fallow soil. The forest soil
was also characterized by a fourfold higher hydropho-
bic/hydrophilic compounds ratio than the other soils.

Aquatic conditions versus terrestrial conditions

Figure 1 shows the cumulative mineralization at the
end of the incubation for terrestrial systems and for
aquatic systems with or without glucose. At the end of
incubation, the cumulative SOM mineralization was
63% higher in the aquatic system compared to
terrestrial (soil) system (P < 0.001). Without glucose
addition, neither the amount of SOM mineralized
(P = 0.12, data not shown) nor the mineralization
dynamics were affected by nutrient availability
(P = 0.59, Fig. 2). The daily mineralization rate was
maximal around the second day and then progres-
sively decreased. The daily mineralization rate was
always higher in the aquatic context than in the
terrestrial context (P < 0.01). However, Fig. 2 sug-
gests some differences between soil types. With the
exception of the grassland soil, incubation in water
resulted in an increase in the mineralization rate from
the first days of experiment. For the grassland soil, the
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Table 1 Characteristics of the four soils

Soil C content N content C/N pH  Hydrophilic Hydrophobic Hydrophobic/ §'*C
(mgCg™) (mgNg™h (1/3)  compounds compounds hydrophilic (%0)
(mg g=' C-SOM)  (mg g~' C-SOM)
Bare fallow 4.7 +£0.1 054 £0.04 865+0383 40 177.8 (5.1, 18.7)* 444 0.2 —24.6
Cropland 11.7+ 0.1 1.04 £004 1123 +£041 6.1 129.5 (154, 23.1)*  32.6 0.3 —24.9
Grassland 102 £ 0.1 0.84. £0.01 12.09 £0.08 5.6 193.2 (35.3,37.3)" 588 0.3 —26.7
Forest 200 £ 08 0.78 £0.06 2534 +1.35 3.7 145.1 (42.1, 37.7)* 173.8 1.2 —24.0

C, N content and C/N values are mean = SE (n = 3)

* Values in parentheses indicate the estimated content of proteins and sugars (mg g~' C-SOM), respectively

50

HH o

40

o

(mgC-CO, g~'C-SOM)
20 30

10

Cumulative SOM mineralization after 45 days

Aquatic
context

Aquatic
context
Without glucose With glucose

Terrestrial
context

Fig. 1 Soil organic matter cumulative mineralization after
45 days of incubation for different systems expressed as mg
C-CO, g_1 of C-SOM (mean =+ SE). For the aquatic systems,
the bars represent the mean over the oligo-mesotrophic and the
eutrophic systems. Standard errors were corrected by the
random effect due to the soils. Different letters indicate
significant differences (P < 0.05)

mineralization seemed similar for aquatic and terres-
trial systems during the first ten days and after, it
tended to be higher in the aquatic system until the end
of the incubation. Mineralization rates in forest
samples tended to be higher in the aquatic system
than in the terrestrial one during the entire incubation
period (Fig. 2). By contrast, after 21 days, the miner-
alization rates in cropland and bare fallow samples
tended to reach a similar level in aquatic and terrestrial
systems (Fig. 2).
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Priming effect in aquatic conditions

Glucose addition in the oligo-mesotrophic systems
(Fig. 3) increased the SOM mineralization at the end
of the incubation by 12% (P < 0.05), compared to the
same soils without glucose. It corresponds to a SOM
mineralization increase of 75% compared to the same
soils in terrestrial conditions (P < 0.001). For the
eutrophic systems, we failed to detect any statistical
effect of glucose addition on the SOM mineralization.
However, this might be due to a high sensitivity of the
forest soil to the combined addition of glucose and
nutrients (Fig. 3). Depending on the nutrient load,
accumulated PE for forest SOM at the end of the
incubation period tended to be negative when nutrient
load was high and positive when nutrient load was low
(Fig. 3). A greater positive PE was observed for
grassland, cropland, and bare fallow soils in high
nutrient conditions (Fig. 3). For the bare fallow soil in
low nutrient conditions, a negative PE occurred during
about 2 weeks followed by a positive PE (Fig. 3).
Furthermore, the PE observed for the bare fallow soil
under nutrient enriched conditions tended to be
positive.

Discussion
Aquatic conditions versus terrestrial conditions

In terrestrial ecosystems, carbon is taken up by
autotrophic organisms and sequestered in soils and
vegetation. A part of this carbon is eroded and either
redeposited on land or is transported by streams to
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Oligo-mesotrophic systems  Eutrophic systems
All All
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21
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Cropland Cropland

Daily SOM mineralization
(mg C-CO, kg™' C-SOM day ™

4 - —©- Aquatic system without Glucose | =S~ Aquatic system without Glucose
/X Aquatic system with Glucose /X Aquatic system with Glucose
3- @®- Terrestrial system -@- Terrestrial system

Bare fallow

T T T T |
0 10 20 30 40 O
Days

T T T
10 20 30 40

Fig. 2 Daily soil organic matter mineralization rate in the
terrestrial system (filled circle), in the aquatic system with
glucose (triangle) and in the aquatic system without glucose
(open circle), expressed as mg C-CO, g_' of C-SOM per day.
Oligo-mesotrophic aquatic systems and eutrophic aquatic
systems are represented on the left and on the right side,
respectively. “All” corresponds to the mean of the four soils
following by each single soil. Standard errors were corrected by
the random effect due to the soils when mean of all soils are
represented. For single soil, error bars represent measurement
variability. Since measurements variability was small and
sometimes standard errors also, error bars are not visible

rivers, lakes and seas (Terrence et al., 2002). Very high
sedimentation rates have been reported leading to the
preliminary conclusion that inland waters are a very
important C-sink, sequestering mainly C from terres-
trial origins (Smith et al., 2001; Van Oost et al., 2007).
However, we observed that when soil is transferred in
aquatic systems during the eroding process, the
mineralization rate is largely higher compared to
terrestrial systems. This mineralization occurred
mainly during the first days indicating that the rede-
position of eroded C in water could largely contribute
to carbon emission from inland waters. This suggests
that an important amount of CO, may be emitted
during the very first step of the erosion process.
Consequently, high sedimentation rates do not ensure

10T A1

10 1 Cropland

Cumulated PE
(mg C-CO, g~' C-SOM)

“| Bare fallow

-5 -& Low nutrient load

—A— High nutrient load
T T T T T

0 10 20 30 40
Days

Fig. 3 Cumulative PE on the four-studied soil with high
(triangle) and low (circle) nutrient load, expressed as mg C-
CO, g’1 of C-SOM. “All” corresponds to the mean of the four
soils following by each single soil. Standard errors were
corrected by the random effect due to the soils when mean of
all soils are represented

sequestration as land-born C can be rapidly mineral-
ized. This result is in accordance with the recent
estimation of terrestrial C contributions to CO, efflux
from inland waters suggesting that almost half of the
terrestrial C deposited in inland waters is mineralized
before entering the ocean (Cole et al., 2007).
Furthermore, we observed that the effect of aquatic
conditions may be different depending on the soils
properties. The less sensitive soils to the aquatic
conditions during the first days seemed to be the forest
and the grassland soils, which are also those which
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were the least managed by humans. The physical
structure of forest and grassland soils has remained
undisturbed by anthropogenic actions for several
decades. In contrast, the cropland and bare fallow
experimental sites were tilled every year, thus dis-
rupting soil structure and aggregate stability (Lal,
2005). Moreover, the weak stability of soil aggregates
from the bare fallow soil has been demonstrated
previously (Balabane & Plante, 2004). Thus, as
expected, shallow and mixed aquatic conditions
increase SOM mineralization compared to terrestrial
conditions and the lags observed in C release could
probably increase with aggregate stability.

Priming effect in aquatic conditions

In this study, we tested for the first time the occurrence
of PE in aquatic systems and as hypothesized, PE
occured in aquatic systems and this PE was, at least
partly, driven by nutrient load. The mean PE being
generally higher in the eutrophic systems compared to
the oligo-mesotrophic systems even if any significant
effect was detected due to strong negative PE observed
with the forest soil. This could be explained by an
increase in microbial biomass and/or exoenzyme
production due to glucose and nutrient supply (Ku-
zyakov et al., 2000; Nugteren et al., 2009), leading to a
SOM mineralization increase. However, in terrestrial
context, an opposite effect of the nutrients availability
is generally observed (Martin-Olmedo et al., 2002;
Fontaine et al., 2004; Blagodatskaya et al., 2007,
Guenet et al., 2010c). On the contrary, when PE
occurrence has been suggested in aquatic context, an
enhancement of bacterial respiration has also been
observed when nutrients and LOM were both amended
(Carlson et al., 2002; Farjalla et al., 2009). Such
discrepancies between terrestrial and aquatic condi-
tions may be due to the high heterogeneity of soils that
limits nutrient mobility. Indeed, in soils, interactions of
SOM and/or enzymes with mineral matrix, low water
content, or physical structuration due to aggregation,
result in the formation of several microniches for
microbial activity almost independent where nutrient
and C availability may be quite different (Nunan et al.,
2003; Lehmann et al.,, 2008). Therefore, nutrient
addition may lead to high concentration of nutrients
in some of the most active niches. In such niches, the
nutrient availability might be sufficient to avoid
enzyme synthesis to ‘mine’ the nutrients stored in
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SOM and thus reduce the SOM mineralization (Craine
et al., 2007). The high reduction of SOM mineraliza-
tion in such niches may not be compensated by the
enhancement effect of nutrients on SOM mineraliza-
tion in the niches where nutrients are less available. In
contrast, aquatic systems and in particular the shallow
ones as simulated in our microcosms may probably be
more homogenous because of the turbulent mixing and
nutrient availability may be not sufficient to reduce the
nutrient mining. Except for forest soil in eutrophic
microcosm, we observed positive PE (i.e., SOM
mineralization increase due to glucose addition). Our
results will certainly require further confirmation using
other soils in microcosm and field experiments, but if
confirmed, positive PE might substantially reduce the
C storage due to SOM burying. Furthermore, a positive
PE is observed for the bare fallow soil, which is
considered as a surrogate for the stable SOM pool. This
suggests that PE might even accelerate mineralization
of very stable SOM, PE being greater with increased
nutrient loads. It must be noted that the amount of
glucose added in this study is equivalent to what is
amended in the PE studies performed on soils in a
terrestrial context (Fontaine et al., 2004; Guenet et al.
2010b) but is high compare to what is generally
observed in natural aquatic ecosystems (Goodman
et al., 2011). Moreover, the link between PE intensity
and the LOM amount is not straightforward (Guenet
et al., 2010c). Thus, the quantitative importance of PE
in aquatic ecosystems should be estimated with more
realistic LOM amounts.

Negative PE values observed for forest SOM might
not be due to a higher recalcitrance of forest SOM
compared to the others, as bare fallow soil was only
composed by stabilized C (Barré et al., 2010).
Moreover, this soil had the highest C:N ratio
(Table 1). According to the preferential substrate
utilization hypothesis (Cheng, 1999), this high C:N
ratio might have favored preferential utilization of
LOM because N-limited microorganisms should have
mineralized more C from SOM to acquire enough N
for their growth. This phenomenon is known as N
mining (Moorhead & Sinsabaugh, 2006) and assume
that N starvation might induce a higher enzymatic
production by microorganisms to mineralize the SOM
and release N in the system. As a consequence, labile
degradation products are also released and might be
used as substrates inducing extra-CO, emissions.
Another factor explaining this negative PE could be
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the high concentration of tannins in forest soils. These
compounds are known to complex proteins and
deactivate microbial exoenzymes (Kraus et al.,
2003). The inactivation of exoenzymes responsible
for SOM mineralization could favor a preferential
LOM degradation, and result in a negative PE.

To our knowledge, this study constitutes the first
unequivoqual demonstration of PE occurrence on soils
in aquatic systems. Yet, despite the huge literature
reporting this phenomenon in terrestrial ecosystems, it
has often been ignored in aquatic ones (Guenet et al.,
2010a). Mineralization of allochthonous organic mat-
ter such as eroded SOM might be strongly enhanced in
aquatic ecosystems. This preliminary study opens
exciting paths of investigation and new perspectives.

(i) First, we must confirm these results with different
soils coming from diverse ecosystems and try to
relate the intensity of PE with the SOM chemical
composition, the microbial community structure,
the soil physical structure, etc.

(ii)) Then, we must understand how interactions
between soil and aquatic microbial community
may impact the PE.

(iii) The role of the nutrient loads should also be
better understood using for example a laboratory
experiment where a gradient of different quantity
nutrient are added to a single soil in aquatic and
terrestrial context combined with an addition of
FOM.

(iv) We must quantify the quantitative importance of
such phenomenon in the C balance of soil erosion
using field studies with detailed measurements of
the soil C balance.

(v) If PE plays an important role in the soil erosion C
balance and induces substantial fluxes from
surfaces to the atmosphere, it must be incorpo-
rated in the coupled climate/carbon model used
for the future climate predictions.

(vi) Finally, if PE exist on soils in aquatic systems it
probably also occurs with autochthonous OM
produced in the aquatic systems.
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