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Abstract
The decline of the eastern oyster (Crassostrea virginica) has prompted various restoration and aquaculture efforts. Recent field 
surveys in Rhode Island suggest that wild populations are increasing, yet the factors contributing to expansion are unknown. 
We used a population genetic approach to characterize genetic differences between wild and cultured oyster populations and 
explore the extent of connectivity and admixture between groups. Individual oysters from four wild, three farmed, and two 
restored populations were collected within or just outside Ninigret Pond, a coastal lagoon highly influenced by human activ-
ity, and genotyped at 13 microsatellite loci. Results from the multi-locus genotype data showed that wild populations were 
more genetically diverse than the cultured populations. We also observed significant genetic differentiation between paired 
wild and cultured populations but not between pairs of wild populations. A cluster analysis detected substantial admixture 
between wild and cultured groups. As oyster aquaculture and restoration activities are forecasted to increase in the future, this 
study highlights the potential degree of genetic introgression between remnant wild populations and less diverse, hatchery-
reared stocks. Those tasked with preserving our living natural resources should carefully consider how the juxtaposition 
of aquaculture, restored, and wild populations at small spatial scales will impact the genetic composition and evolutionary 
trajectories of species in decline for generations to come.

Keywords Eastern oyster · Population genetics · Restoration · Aquaculture

Introduction

Environmental landscapes and the ecosystems they support 
have been and continue to be impacted by human activity. 
Many estuarine ecosystems are casualties of centuries of 
overfishing and subsequent habitat degradation (Jackson 
et al. 2001). Oysters, which are ecological and economic 
staples of coastal communities, have experienced an 85% 

reduction in biomass worldwide and 70% of natural oys-
ter reefs are in poor condition (Beck et al. 2011). Along 
the Western Atlantic coast of the US, many eastern oyster, 
Crassostrea virginica, populations that once supported wild 
fisheries exceeding 5–35 million kg in total landings annu-
ally are now practically extinct (Kirby 2004; Zu Ermgas-
sen et al. 2012). The dramatic decline of the eastern oyster 
and the inherent and economic benefits it provides, have 
prompted efforts to conserve and augment this valuable liv-
ing resource.

Over the last three decades, the services gained from 
wild eastern oyster populations have been supplemented 
by both aquaculture and restoration activities. Aquaculture 
practices vary somewhat by region, but typically involve 
transplanting wild or hatchery-produced seed to designated 
grow-out areas. Seed sourced from commercial hatcheries 
are proprietary strains, often selected for fast growth and 
increased survival (Proestou et al. 2016). Oysters are grown 
either on-bottom or in suspended gear and filter food from 
the surrounding water until they reach market size (Naylor 
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et al. 2000). Common oyster restoration strategies include 
protecting broodstock from harvest and planting hard sub-
strate (e.g. cultch) to create artificial reefs on which oyster 
larvae can settle (Peters et al. 2017). At sites with low natu-
ral recruitment, cultch is also seeded with hatchery-derived 
oysters. Several abiotic and biotic factors, including reef 
composition, sedimentation dynamics, food supply, and the 
presence of natural enemies, are considered when establish-
ing artificial reefs in order to maximize the potential for 
sustained success (Coen and Humphries 2017).

While much emphasis has been placed on optimal site 
selection for restored and aquaculture oyster populations, 
the importance of genetic attributes has received relatively 
little attention despite the key role genetic composition plays 
in the performance and longevity of all species (Schindler 
et  al. 2010). Numerous studies have demonstrated that 
genetic diversity, measured as heterozygosity, is signifi-
cantly, positively correlated with population fitness (Reed 
and Frankham 2003). For example, Hughes and Stachow-
icz (2004) showed that resistance to environmental distur-
bance is higher in genetically diverse sea grass populations. 
Variable populations are also better able to adapt to local 
conditions and respond to long term environmental change 
(Frankham et al. 2014).

Eastern oysters are broadcast spawners with a dispersive 
larval stage that lasts several weeks (Thorpe et al. 2000). 
These life history characteristics facilitate high levels of 
gene flow among populations at both small and large spatial 
scales (Palumbi 2003). Extensive gene flow via larval trans-
port is expected to have a homogenizing effect; however, a 
recent survey of the literature found that genetic differences 
are common among marine invertebrate populations and that 
the differences reflect adaptation along fine-scale environ-
mental gradients (Sanford and Kelly 2011). The potential for 
significant local adaptation, coupled with high rates of larval 
exchange, can complicate efforts that aim to restore oyster 
reefs to their original structure and function (Grabowski and 
Peterson 2007).

Although ‘domesticated’ aquatic species are only a few 
generations removed from the wild, hatchery-derived stocks 
used to supplement declining populations have lower genetic 
diversity than their wild counterparts (Lind et al. 2009). The 
degree to which diversity is lost depends on hatchery proto-
cols, including the number, size, and source of broodstock 
as well as spawning methods (strip-spawning followed by 
controlled single pair crosses vs. mass broadcast spawning), 
which can vary significantly among commercial hatcheries. 
Release of non-native, genetically-limited hatchery stocks 
that can hybridize with natural populations risks reduced 
fitness, lower effective population sizes, and reversing the 
effects of local adaptation in the wild (Grant et al. 2017).

Supplementation of wild fish and shellfish popula-
tions through commercial aquaculture and restoration is 

commonplace (Kitada 2018), yet the extent and impact of 
exchange among wild, restored, and cultured groups are not 
measured routinely (Gaffney 2006; Levin 2006; Camara and 
Vadopalas 2009; Guo 2009). Rhode Island coastal lagoons 
or ‘salt ponds’, which support remnant native populations 
and have become a focal area for oyster aquaculture and 
conservation (Duball 2017), are an ideal setting to exam-
ine genetic structure and gene flow dynamics among wild 
and cultured stocks at small spatial scales. Ninigret Pond, 
located within the Ninigret National Wildlife Refuge, is 
the largest of the Rhode Island lagoons, covering approxi-
mately 1700 acres. In 2013, eight aquaculture leases totaling 
22 acres were concentrated in the center of the pond (Bue-
tel 2014) while a state-designated shellfish spawner sanctu-
ary, which is closed to harvest, occupied 173 acres on the 
western side. Two separate oyster restoration projects flank-
ing the spawner sanctuary commenced in 2008 and annual 
restoration plantings continued through 2010 and 2013, 
respectively (Griffin 2016). Additional small, wild oyster 
reefs were distributed throughout the pond at the time of 
this study (Fig. 1).

Recent field surveys conducted in Ninigret Pond indi-
cate that wild eastern oyster populations are increasing in 
size; however, it is uncertain what has contributed to this 
growth. Are the populations self-seeding or has recruitment 
been enhanced by the presence of restored and aquaculture 
populations? In this study, we genotyped individual oysters 
from wild, farmed, and restored populations at 13 microsat-
ellite loci to characterize levels of genetic diversity within 
and genetic differentiation between wild populations and the 
aquaculture and restored populations derived from hatchery-
reared seed. Patterns of diversity and genetic differentiation 
were then used to explore the extent of connectivity and 
admixture among groups. By providing a more complete 
understanding of the genetic composition of populations 
and the extent of genetic exchange within Ninigret Pond, 
we hope to better inform future eastern oyster management 
and conservation efforts that occur at small spatial scales.

Materials and methods

Sample collection

In early June of 2013, adult oysters (shell height ~ 75 mm) 
were collected by hand from eight populations within Nini-
gret Pond and one population from the Narrow River, also 
known as the Pettaquamscutt River (Fig. 1). To assess the 
effect of cultured stocks on the genetic composition of nat-
urally-occurring eastern oyster populations, we focused on 
three wild populations within Ninigret Pond including Foster 
Cove (W_FC), Fort Neck Cove (W_FN), and a population 
within the state-designated Shellfish Spawner Sanctuary at 
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Reeds Point (W_SS). The restored and aquaculture popu-
lations sampled in this study originated from one of four 
distinct commercial hatcheries (A, B, C, and D) located in 
four different states. Because the commercial seed sources 
used to stock aquaculture operations in the pond substan-
tially overlapped across farms during the study period, adult, 
market-size oysters representing the most prevalent strains 
[derived from hatchery A (F_A), hatchery B (F_B), and 
hatchery C (F_C)] were sampled from just two of the eight 
farms. Samples were also collected from restored oyster 
reefs created by two separate restoration projects that dif-
fered greatly in scale. One of the reefs, located immediately 
adjacent to W_SS, was stocked with 30,000–60,000 seed 
from Hatchery D (R_D) each year between 2008 and 2013. 
The second restoration project seeded two reefs (one next 
to R_D and the other along the southern boundary of the 
Shellfish Spawner Sanctuary) with a total of nine million 
of Hatchery A’s restoration strain oysters (R_A) between 
2008 and 2010 (Griffin 2016). As a wild control, we also 
included the Narrow River population (C_NR), where 
direct influences from oyster farming and restoration activi-
ties are absent. In late September 2013, oyster spat (shell 
height ≤ 25 mm) were collected from the four wild popu-
lations. We harvested tissues from no fewer than 30 indi-
viduals per population, preserved them individually in 70% 
ethanol, and stored them at 4 °C until DNA extraction.

DNA extraction and genotyping

We extracted genomic DNA from approximately 10 mg of 
mantle or gill tissue following a high-throughput chelex 
DNA extraction method adapted from Aranishi and Oki-
moto (2006). DNA quality and quantity were assessed using 
a spectrophotometer (NANODROP 8000) before DNA 
was diluted to a standard concentration of 10 ng/µl. Indi-
vidual oysters were genotyped at 13 previously published 

microsatellite loci that were selected based on reported allele 
size range, low frequency of null alleles (those that are pre-
sent but not amplified in a sample), and high level of poly-
morphism (Table 1). All loci were amplified in individual 
10 µl PCR reactions containing 20 ng DNA, 1.5 mM  MgCl2, 
100 µM dNTPs, 0.5 U Taq polymerase (QiagenTopTaq), 
0.3 µM of fluorescently-labeled forward primer, and 0.3 µM 
unlabeled reverse primer under optimized cycling param-
eters (Table 2). PCR products were subsequently diluted and 
pooled into one of four plexes (A, B, C, and D), purified 
according to the Agencourt AMPure XP protocol (Beckman 
Coulter) and submitted to the DNA Analysis Facility at Yale 
University for fragment analysis with an internal size stand-
ard (Liz500, Applied Biosystems). We scored alleles by size 
(in bp) using the default parameters in GeneMarker (Soft-
Genetics) and manually checked all allele calls against trace 
data for accuracy. We used the TANDEM tool to bin alleles 
of similar size within each locus for consistency across all 
samples (Matschiner and Salzburger 2009). A small, random 
subset of samples (N = 10) were extracted, amplified, and 
genotyped at each locus in duplicate to calculate genotype 
error.

Data analysis

We used MICRO-CHECKER v2.23 (Van Oosterhout et al. 
2004) to further identify genotyping errors such as stutter-
ing, large allele dropout, and null alleles. Within a popula-
tion, each of the 13 loci were evaluated for Hardy–Weinberg 
equilibrium (HWE) by applying pseudo-exact tests [100,000 
Markov Chain Monte Carlo (MCMC) iterations and 10,000 
dememorization steps] using the software package Arle-
quin v3.5 (Excoffier and Lischer 2010). Significant devia-
tions from HWE were detected after sequential Bonferroni 
correction for multiple tests (α = 0.05; P value = 0.000296). 
We estimated the inbreeding coefficient (FIS) both globally 

Fig. 1  Location of sampled 
populations in southeastern 
Rhode Island. The wild control 
population is labeled C_NR, 
wild populations are W_FC, 
W_FN, and WW_SS. F_A, 
F_B, and F_C are farmed popu-
lations, and restored populations 
are R_A and R_D
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and at each locus for each population separately according 
to Weir and Cockerham (1984), and evaluated linkage dis-
equilibrium between all pairs of loci within each popula-
tion using the GENEPOP 4.6 software package (Raymond 
and Rousset 1995). Pairwise tests for linkage disequilibrium 
(LD) were deemed to be significant at a Bonferroni-cor-
rected P value of 0.000049. We also evaluated concordance 
of paired loci with low p-values across populations.

To characterize the level of genetic diversity for each pop-
ulation, we calculated summary statistics including observed 
heterozygosity, expected heterozygosity, and total number 
of alleles at each locus in Arlequin v3.5. Private alleles, the 
alleles found in only one population, were identified using 
the popgen function in the R package ‘PopGenKit’ (Paquette 
2011). We also applied the rank-based Kruskal–Wallis test 
to evaluate differences in genetic diversity between wild and 
cultured groups in R v3.4.2.

Effective population size (Ne), or the number of individ-
uals that contribute genetically to future generations, pro-
vides insight to population structure, migration rates, and 

the genetic health of populations (Hare et al. 2011; He et al. 
2012). We estimated Ne for all populations using the single-
sample estimator based on linkage disequilibrium as imple-
mented in NeEstimator v2.01 (Do et al. 2014). Ne for the 
four wild populations was also estimated with the temporal 
method (Waples 1989) by applying the Plan II default sam-
pling strategy and calculating the standardized variance in 
allele frequency (FS) according to Jorde and Ryman (2007). 
Pair-wise comparisons were made between adults and spat 
from each wild population, representing generations 0 and 1 
respectively. Alleles with frequencies < 0.02 were excluded 
from the analysis (Waples 2006).

Population structure in Ninigret Pond was inferred from 
three separate analyses: pairwise FST, model-based Bayesian 
clustering, and discriminant analysis of principle compo-
nents (DAPC) methods. Null alleles are very common in 
oyster genomes due to exceptionally high levels of poly-
morphism (Reece et al. 2004; Wang and Guo 2007). High 
null allele frequencies may lead to pairwise FST values that 
overestimate the extent of genetic differentiation among 

Table 1  Primer sequences and previously published characteristics of the 13 microsatellite loci used in this study

NA = number of alleles observed at each locus, obs. size = size range for PCR products. Ref = reference where loci were first reported. Ref 
1 = Wang and Guo (2007), Ref 2 = Reece et al. (2004), and Ref 3 = Wang et al. (2010)

Locus Primer direction Primer sequence Repeat motif NA Obs. size Ref

RUCV1 Fwd AGT CAA GAA CTA TAC AAA TTT ACG CT (tc)14 17 145–221 1
Rev CTC ACA GAC CAT GAA AAT GGG CTG TT

RUCV3 Fwd AGT TAT CCA TTC TGT TGT GGA AGT GA (ttga)8 12 268–318 1
Rev GTT TGT CCC GAC AAC ATA CCG CCA TT

RUCV46 Fwd GTC GTG CAA GTT GAC ATT CC (ga)17 9 100–149 1
Rev TCC ACC TCT ATT TCA TGT TGTCC 

RUCV28 Fwd GGA GGC CCA AGA ACT GCG AGG GGA CC (ga)10 12 221–265 1
Rev TTG AAA ACA TGC ACG TCC GGC AAC AT

RUCV11 Fwd TGC CGG TCG TTC TTT CAG GTA TGT TC (ct)12y(tc)9 12 136–180 1
Rev TTT CTG AAG GGA CAC TGA TAG TGA GT

RUCV 27 Fwd GCT GAT CGG GAT GGC GAG AGA GTG AC (ga)10 24 190–234 1
Rev TGA AAA CAT GCA CGT CCG GAC AAC AT

Cvi2i23 Fwd TAA CAC AAA GCC AAC ATC GCC (gttt)7 10 372–472 2
Rev AAG TAA AAG ACG GTC AAA GGG TCC 

RUCV 24 Fwd AAA AGG GAA TTT TGT TAC ACA ATC CA (ga)14at(ga)6 14 107–173 1
Rev AAA AAC AAA ATA ATG AAT ACA TTG GC

RUCV 97 Fwd AGC CAT GAT TGA GGA ATT GG (ga)24…(ag)18 16 242–323 1
Rev ATC CCC TAA AGT GCG ACT GG

RUCV 68 Fwd TCT TGG AAT GAC AAG CAA GC (caa)5 11 321–342 1
Rev CCA GGG GTC AAC AGT TTC C

RUCV 23 Fwd GCA AGA TGG GGA TGA TCA ACC TGC AT (ga)28g(ga)7 18 216–331 1
Rev GGA CAT CGG ATC CCA GTG TCG GTT GA

RUCV 18 Fwd TAC TTT AAT TGC ATG CAT GTG GTT GT (at)9 7 133–153 1
Rev GTC GGT CTG CTT GAT CTG TGA AGG TT

RUCV 61 Fwd CAG CCA ACA TCA CTT TGA GG (ga)15 14 347–397 3
Rev CTG TGC CGG TAC AAT CTG C
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populations (Chapuis and Estoup 2007). We therefore cal-
culated pairwise FST values using both the original data and 
those adjusted for null alleles and performed a Mantel test 
(vegan package in R v3.4.2) with 1000 permutations to test 
whether the resulting FST matrices were correlated. We cal-
culated Weir and Cockerham’s unbiased FST values for each 
population pair in Arlequin v3.5 and used 10,000 permuta-
tions of the data to test for statistically significant differ-
ences among populations at an α level of 0.05 with standard 
Bonferroni correction (P = 0.00064).

Our multi-locus genotype data were also analyzed with 
the model-based clustering program STRU CTU RE v2.3.4 
(Pritchard et al. 2000), assuming the admixture model with 
correlated allele frequencies among populations and no prior 
information about population locations. By choosing these 
options, we were better able to assess the extent of admixture 
among closely related populations. We performed separate 
analyses with all populations, wild populations only, and 
hatchery-derived populations only. For each population sub-
set, the number of genetic clusters (K) represented in our 
data was inferred from five independent simulations of the 
data for K = 1–10 for all populations, 1–8 for wild popula-
tions, and 1–5 for hatchery populations. All simulations were 
performed using 100,000 MCMC iterations after a burn-in 
period of 50,000. We assessed the most probable value for K 
with both the mean likelihood method described in Pritchard 
et al. (2000) and the Delta K (ΔK) method (Evanno et al. 
2005). We also considered the similarity of cluster matri-
ces across runs (H′) for any given K. Individual admixture 

proportions, or the proportion of an individual’s genome that 
originated from each potential source population (Q) were 
also estimated. We used Structure Harvester v0.6.93 (Earl 
and vonHoldt 2011) to calculate ΔK and CLUMPP v. 1.1.2 
(Jakobsson and Rosenberg 2007) to optimize the clustering 
results across runs. Graphical displays of the optimal cluster 
patterns were created with Distruct v1.1 (Rosenberg 2004).

To further confirm patterns of genetic structure among 
Ninigret Pond populations, we analyzed individual geno-
types with the DAPC methods described by Jombart (2008) 
and implemented in the R package ADEGENET (Jombart 
et al. 2010). This multivariate analysis uses K-means cluster-
ing to identify genetic similarities among individuals, and 
unlike STRU CTU RE, it does not assume explicit popula-
tion genetics models to infer population structure. Again, 
we tested Ks 1 through 10 and used the find.clusters func-
tion and the lowest associated bayesian information criterion 
(BIC) to identify the optimal number of clusters. We also 
applied the XvalDAPC function to retain the appropriate 
number of principal components.

Results

Genetic variability

Within the subset of samples used to quantify genotype 
error, GeneMarker called conflicting genotypes/alleles 
between duplicates for just one sample at a single locus. This 
resulted in a combined error rate across all loci of 0.0046 per 
reaction and 0.0046 per allele (Hoffman and Amos 2005). 
Multi-locus microsatellite genotypes with ≤ 3 missing loci 
were obtained for 385 of the 390 oysters sampled in this 
study. Our MICRO-CHECKER analysis of the data revealed 
moderate null allele frequencies for most loci in all popula-
tions. For any given population, the number of loci with 
null alleles present ranged from 8 to 13. Consequently, het-
erozygote deficiencies associated with null alleles resulted 
in significant deviations from HWE for 66% of the tests 
conducted after Bonferroni correction (Online Resource 
1). However, when genotypes were adjusted according to 
the Oosterhout correction algorithm (Van Oosterhout et al. 
2004) the majority of loci within each population (75%) met 
HWE expectations (Online Resource 1). We conducted all 
subsequent analyses with both the uncorrected and corrected 
allele frequencies and emergent patterns of genetic diversity, 
Ne, and pairwise genetic differentiation were very similar 
between the two data sets. Therefore, we report results based 
on the corrected data in the main body of this manuscript, 
but have included the results based on the uncorrected data 
as an online resource (Online Resource 2).

We detected significant heterozygote deficiencies (as 
reflected in Global FIS estimates) for all populations and 

Table 2  PCR reaction conditions for the microsatellite loci used in 
this study

Plex denotes which loci were run together during fragment analysis, 
size range = size range of PCR products detected at each locus, label 
refers to the fluorescent tag associated with the forward primer of 
each locus, TA = annealing temperature, and  MgCl2 refers to the mag-
nesium chloride concentration in each reaction

Plex Locus Size range Label TA MgCl2
(mM)

A RUCV1 159–235 PET 60 1.5
RUCV3 279–315 6-FAM 60 1.5
RUCV28 221–261 VIC 55 1.5
RUCV46 95–143 NED 60 1.5

B RUCV68 321–339 6-FAM 60 1.5
RUCV97 215–313 VIC 55 1.5
RUCV24 110–168 NED 55 1.5

C RUCV61 341–389 6-FAM 60 1.5
RUCV23 210–348 VIC 55 1.5
RUCV18 132–140 NED 60 1.5

D Cvi2i23 359–491 6-FAM 51.5 1.5
RUCV11 139–201 NED 60 1.5
RUCV27 188–246 PET 60 1.5
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these deficiencies persisted even after the data were adjusted 
for null alleles (Table 3). Absence of significant pairwise 
comparisons for LD and lack of consistently low p-values 
for particular pairs of loci across several populations con-
firmed that the loci used in this study were independent of 
one another.

Levels of genetic diversity differed across populations. 
Allelic richness (NA), averaged across all loci for each popu-
lation, ranged from 4.8 to 14.1 alleles per locus. NA was 
highest in the wild adult Fort Neck Cove population (W_
FN) and lowest in the farmed stock produced by hatchery A 
(F_A) (Table 3). Average expected heterozygosity (HE) also 
varied by population, with population F_A again exhibit-
ing the lowest HE (0.65) and the wild adult control popula-
tion from Narrow River (C_NR) the highest (0.89). Overall, 
wild populations were significantly more genetically diverse 
than hatchery-derived populations (Kruskal–Wallis test; 
P = 0.0034 and P = 0.012 for NA and HE respectively).

The mean number of private alleles (NP) per locus for 
each population ranged from 0 to 0.8 (Table 3). No private 
alleles were detected in restored populations R_A and R_D, 
while the most private alleles were found in C_NR. We also 
observed high NP (0.5) in both W_FN and spat from Fos-
ter Cove (W_FC_S); however, few (0.1) were detected in 
the wild Shellfish Sanctuary population (W_SS). The rela-
tively low number of private alleles detected in most of the 
sampled populations precluded us from inferring patterns 
of gene flow in Ninigret Pond using Slatkin’s (1985) private 
allele theory.

Our estimates of Ne based on the single-sample, bias-cor-
rected, LD method suggest large effective population sizes 
(most estimates unbounded) for all wild populations except 
the spat samples from Fort Neck and Shellfish Sanctuary 
(W_FN_S and W_SS_S) (Table 4). Among the hatchery-
derived stocks, Ne estimates ranged from 6.4 to 94.9 and 
were significantly larger for farmed stocks B and C than 
farmed and restored stocks derived from hatchery A and 
the restored stock from hatchery D. Because precision in 
estimating Ne decreases as the true Ne exceeds several thou-
sand individuals (Waples 2016), we have shown that the Ne 
for most of the wild populations in this study is large, but 
not accurately quantifiable. In contrast, the temporal method 
severely underestimated Ne in the four wild populations 
because the time interval between samples was too short 
(Waples and Do 2010).

Population differentiation

The pairwise FST matrices obtained from the original data 
and those adjusted for null alleles were highly correlated 
(Mantel test; r = 0.9543, P = 0.001), indicating that the 
detection of population differentiation was not compro-
mised by the presence of null alleles. Pairwise comparisons 
across the 13 populations generated FST values ranging from 
0 (no differentiation between samples) to 0.215 (high dif-
ferentiation between samples). Spat were not significantly 
differentiated from their adult counterparts in any of the wild 
populations. For the most part, the wild populations were not 
different from one another, with the exception of W_SS_S 

Table 3  Summary of genetic 
diversity measures for adult 
and spat oysters collected in 
June and September 2013 
respectively from each wild 
population

Market-size adults from each farmed and restored population were also collected in June 2013. Diversity 
measurements are averaged across 13 microsatellite loci
N = sample size, SL = mean shell length ± SD, HO = observed heterozygosity, HE = expected heterozygosity, 
NA = average number of alleles per locus, NP = average number of private alleles, FIS = inbreeding coeffi-
cient
Bold values indicate significant heterozygote deficiencies at an α level of 0.00385. Based on data corrected 
for null alleles

Origin Site Gen Population ID N SL HO HE NA NP FIS

Wild control Narrow River Adult C_NR 28 83.3 ± 16.7 0.73 0.89 13.3 0.8 0.18
Narrow River Spat C-NR_S 31 25.0 ± 2.3 0.72 0.88 13.5 0.8 0.18

Wild Foster Cove Adult W_FC 30 72.4 ± 7.4 0.44 0.83 10.5 0.1 0.47
Foster Cove Spat W_FC_S 30 24.2 ± 2.3 0.77 0.88 13.5 0.5 0.13
Fort Neck Adult W_FN 29 68.5 ± 9.1 0.72 0.88 14.1 0.5 0.18
Fort Neck Spat W_FN_S 29 24.6 ± 2.8 0.76 0.87 12.3 0.2 0.12
Shellfish Sanctuary Adult W_SS 30 94.3 ± 19.4 0.70 0.87 10.8 0.1 0.19
Shellfish Sanctuary Spat W_SS_S 30 25.9 ± 1.3 0.76 0.83 10.6 0.2 0.08

Farmed Hatchery A Adult F_A 30 56.1 ± 3.7 0.48 0.65 4.8 0.2 0.33
Hatchery B Adult F_B 29 68.1 ± 6.8 0.74 0.79 8.1 0.3 0.07
Hatchery C Adult F_C 30 78.9 ± 11.4 0.75 0.84 9.5 0.2 0.10

Restored Hatchery A Adult R_A 30 69.9 ± 10.8 0.73 0.83 9.0 0 0.12
Hatchery D Adult R_D 29 72.4 ± 7.4 0.78 0.78 7.4 0 0.00
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(Table 5). Oysters from this population were significantly 
differentiated from W_FN_S and those residing in the Nar-
row River, our control site with no culture efforts nearby.

The extent of genetic differentiation varied among hatch-
ery-derived populations and between wild and hatchery 
groups. All farmed populations were significantly differen-
tiated from one another, but no differentiation was apparent 
between the two restored populations (Table 5). Moderate to 
high (0.05 < FST < 0.215) genetic differentiation was detected 
between F_A and all other populations. F_B was moderately 
different from F_C, R_D, and all wild populations except 
W_FC and W_SS, while F_C differed only slightly from 
C_NR_S, W_FC_S, and W_FN, and moderately from W_
FN_S, W_SS_S, and R_D. Moderate differences were also 

detected between R_A, W_FC, and F_A. Population R_D 
exhibited moderate to high differentiation from all popula-
tions except W_FC, W_SS, and R_A.

The STRU CTU RE analysis identified three distinct 
genetic clusters (K = 3) as the best model when all 13 popu-
lations were included in the analysis. The mean likelihood 
and ΔK methods for estimating K were in agreement and H′ 
values were also highest for K = 3 (Fig. 2). For the most part, 
groupings were aligned with sample type (wild vs. hatchery-
derived); however, the F_A population formed a cluster dis-
tinct from the other hatchery populations (Fig. 3). This result 
is not surprising given the high FST values detected between 
F_A and the rest of the populations in this study. No further 
genetic subdivision was detected when only hatchery-reared 

Table 4  Effective population 
size (Ne) estimates and 
confidence intervals based 
on the single sample linkage 
disequilibrium (LD) method 
and temporal method

The standardized variance in allele frequency (FS) was calculated according to Jorde and Ryman (2007). 
Based on data corrected for null alleles

Population Single sample LD Temporal

Ne CI-lower CI-upper Ne CI-lower CI-upper

C_NR ∞ 349.2 ∞ 31.2 24.7 38.4
C_NR_S ∞ 366.5 ∞ – – –
W_FC ∞ 168.7 ∞ 6.3 4.9 7.8
W_FC_S ∞ 305.5 ∞ – – –
W_FN 2991.1 190.0 ∞ 23.5 18.5 29.0
W_FN_S 92.4 56.9 221.8 – – –
W_SS 3613.3 66.6 ∞ 6.5 5.1 8.1
W_SS_S 16.9 14.0 20.7 – – –
F_A 10.1 7.1 14.4 – – –
F_B 62.2 38.4 141.1 – – –
F_C 94.9 52.6 359.7 – – –
R_A 17.8 13.9 23.8 – – –
R_D 6.4 5.1 7.8 – – –

Table 5  Pairwise genetic differences among the 13 populations included in the study

Bold numbers indicate significant FST values at an α level of 0.05 after Bonferroni correction. Based on data corrected for null alleles

C_NR C_NR_S W_FC W_FC_S W_FN W_FN_S W_SS W_SS_S F_A F_B F_C R_A R_D

C_NR –
C_NR_S 0.007 –
W_FC − 0.051 − 0.111 –
W_FC_S 0.000 − 0.007 − 0.069 –
W_FN − 0.002 − 0.016 − 0.052 0.002 –
W_FN_S 0.004 0.003 − 0.074 0.003 0.001 –
W_SS − 0.060 − 0.034 − 0.090 − 0.071 − 0.070 − 0.040 –
W_SS_S 0.020 0.024 − 0.081 0.003 0.013 0.027 − 0.012 –
F_A 0.107 0.118 0.082 0.109 0.094 0.144 0.135 0.144 –
F_B 0.059 0.056 0.013 0.062 0.064 0.056 0.018 0.056 0.215 –
F_C 0.011 0.031 − 0.023 0.021 0.026 0.052 − 0.012 0.052 0.134 0.047 –
R_A − 0.036 − 0.052 0.062 − 0.058 − 0.015 − 0.055 − 0.057 − 0.055 0.095 − 0.010 − 0.044 –
R_D 0.069 0.064 0.009 0.071 0.074 0.096 0.012 0.096 0.208 0.104 0.075 − 0.005 –
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populations were included in the structure analysis (K = 2, 
Fig. 4). Although the overall analysis assigned all wild 
populations to a single cluster, when only these populations 
were included in a separate STRU CTU RE analysis, the best-
supported model suggests the W_SS_S population could be 
a genetically distinct cluster. While this result is consistent 
with the modest differences detected between W_SS_S and 
C_NR, C_NR_S, and W_FN_S using pairwise FST, the high 
degree of shared ancestry between the two potential clusters 
indicates very weak genetic structure among the wild popu-
lations (Fig. 5).

Population structure inferred from the DAPC analysis is 
consistent with our STRU CTU RE and pairwise FST results. 
Individual oysters were distributed among three genetic 

clusters. Cluster 1 contains individuals derived from wild 
populations, cluster 2 contains F_A individuals, and clus-
ter 3 represents the remaining hatchery-reared populations 
(Fig. 6). While small BIC values were observed with larger 
K, ordination plots do not really differ between K = 3 and 
K = 7. For example, when K = 5, the wild cluster is subdi-
vided into three very closely related clusters while the other 
two clusters remain unchanged (Online Resource 3).

We found evidence of genetic exchange in all populations. 
Mixed ancestry was highest in population R_A where the 
membership coefficients (Q), averaged across all individuals 
in the population, were 0.63, 0.34, and 0.03 from hatchery-
reared, wild, and F_A clusters respectively. Nearly one-third 
of R_A individuals were migrants from the wild  (Qwild > 0.9). 

Fig. 2  Plots depicting the most 
probable K value. a Mean 
likelihood L(K) and variance 
for each K value, b delta K for 
each value calculated with the 
Evanno method

Fig. 3  Results of the STRU 
CTU RE analysis when all 13 
populations were included and 
corrected data were used. Bar 
plots for K values 2 through 
4. The most probable value of 
K = 3 is based on both the mean 
likelihood and ΔK methods. 
Each vertical line represents 
a single individual and colors 
denote inferred ancestry. Black 
lines distinguish individuals col-
lected from different sampling 
locations. (Color figure online)
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Genetic exchange was also high for population W_SS, where, 
on average, the level of ancestry associated with the hatchery-
reared group was 0.29 and six individuals were migrants from 

the hatchery-reared group. Between 9 and 13% hatchery ances-
try was observed in the remaining wild populations. Very low 
levels of F_A ancestry (1–5%) were detected in wild and other 
hatchery-reared clusters.

Discussion

As more and more restoration and aquaculture activities 
are initiated to supplement the economic and ecosystem 
services provided by depleted native populations, the 
risk of undermining the genetic composition of the very 
resources we aim to maintain increases (Conover 1998). 
According to Falk et al. (2006), “to overlook genetic vari-
ation is to ignore a fundamental force that shapes the ecol-
ogy of living organisms.” For species such as the eastern 
oyster, that have experienced overexploitation as well as 
loss and degradation of habitat beyond the limits of natural 
recovery, knowledge of existing levels of genetic variation 
within, and genetic exchange between wild and hatchery-
derived populations are needed to inform and improve 
current conservation and management programs (Weers-
ing and Toonen 2009). Our analyses of genetic diversity, 
genetic differentiation, connectivity, and admixture among 
native, restored, and aquaculture eastern oyster popula-
tions inhabiting a coastal lagoon in southern Rhode Island 
provide insight into genetic exchange at small spatial 
scales and the extent to which hatchery populations could 
affect the genetic composition of their wild counterparts.

Due to the high polymorphism rate inherent in the east-
ern oyster genome, we observed a high frequency of null 
alleles across loci and populations. Null alleles can have 
profound effects on some genetic parameter estimates. The 
application of a null allele correction can reduce many 
analytical artifacts, but it did not fully address the exten-
sive heterozygote deficits detected in our data set. Within 
each population, 25% of loci did not meet Hardy–Wein-
berg expectations and inbreeding coefficients (FIS) were 
large and statistically significant even after the null allele 
correction. Comparable levels of inbreeding have not been 
reported previously in the eastern oyster (e.g. Anderson 
et al. 2014) and are unusual for large, wild populations, 
suggesting that some error in genotype calls persisted. 
Waples (2018) recently showed FIS estimates to be par-
ticularly sensitive to null alleles; however, FST and LD 
estimates did not change significantly when null alleles 
were present. While we acknowledge the imperfections in 
our data set and the impact they may have on our analy-
ses, the congruence of results from corrected and uncor-
rected data sets in this study supports the contention that 
the presence of null alleles does not preclude the analysis 
of genetic diversity and differentiation within and among 
populations (Waples 2018; Carlsson 2008).

Fig. 4  Results of the STRU CTU RE analysis when only hatchery-
reared populations were included and corrected data were used. Bar 
plots for K values 2 and 3. The most probable value of K = 2 is based 
on both the mean likelihood and ΔK methods. Each vertical line rep-
resents a single individual and colors denote inferred ancestry. Black 
lines distinguish individuals collected from different sampling loca-
tions. (Color figure online)

Fig. 5  Results of the STRU CTU RE analysis when only wild popu-
lations were included and corrected data were used. Bar plots for K 
values 2 and 3. The most probable value of K = 2 is based on both the 
mean likelihood and ΔK methods. Each vertical line represents a sin-
gle individual and colors denote inferred ancestry. Black lines distin-
guish individuals collected from different sampling locations. (Color 
figure online)
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First, we confirmed that, in southern Rhode Island, 
genetic diversity is significantly higher in the wild pop-
ulations than the hatchery-reared populations. The four 
wild populations exhibited similar levels of diversity 
(measured as either allelic richness or heterozygosity); 
however, the average number of alleles per locus varied 
considerably among cultured populations, ranging from 
4.8 to 9.5 (Table 3). We expected to see reduced genetic 
diversity in hatchery-reared stocks as the phenomenon has 
been observed in several commercially important cultured 
shellfish including the eastern oyster, the Pacific oyster 
(Crassostrea gigas), the pearl oyster (Pinctada maxima), 
abalone, and the hard clam (Mercenaria mercenaria) 
(reviewed in Araki and Schmid 2010; Carlsson et al. 2006; 
Lind et al. 2009; Kochmann et al. 2012).

Differences in allelic diversity among hatchery popula-
tions likely reflect inconsistencies in hatchery protocol. Seed 
oysters supplied to oyster growers and restoration practition-
ers operating in Ninigret Pond originated from four hatcher-
ies located in four different states. In general, operating pro-
cedures are not standardized across commercial hatcheries, 
nor are they well reported. Furthermore, it is not known how 

hatchery practices were modified to accommodate aquacul-
ture vs. restoration goals. While some commercial hatcheries 
in northeastern USA obtain broodstock from state-sponsored 
selective breeding programs, whether they are crossed with 
wild, local animals or hatchery-specific lines whose genetic 
make-up has not been studied extensively depends on the 
hatchery and the downstream purpose for the seed.

In addition, both the number of broodstock and the 
spawning technique used vary among hatcheries. Ideally, 
seed intended for restoration should derive from many sin-
gle-pair matings of local, wild broodstock, whose offspring 
are reared separately until settlement and numbers equalized 
prior to planting, in order to maximize the capture of exist-
ing genetic variation and Ne (Camara and Vadopalas 2009; 
Cooper et al. 2009; Gruenthal et al. 2013). Unfortunately, 
many hatcheries do not have the infrastructure to support this 
approach and defer to mass spawns, where a modest number 
of broodstock are held in a single tank, gametes are released, 
and cross-fertilization among individuals is completely ran-
dom. The problem with mass spawns, particularly in spe-
cies with high fecundity but variable reproductive success, 
is that future generations can consist of offspring from only 

Fig. 6  Ordination plots of dis-
criminant analysis of principal 
components (DAPC) compar-
ing all samples included in the 
study. Inferred genetic clusters 
are shown using numbers, 
colors, and inertia ellipses, and 
each dot represents an indi-
vidual. Cluster 1 corresponds 
to the wild populations. Cluster 
2 represents the F_A popula-
tion and Cluster 3 consists of 
the remaining hatchery-reared 
populations. (Color figure 
online)
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a small number of parents (sweepstakes reproductive success 
(SRS) per Hedgecock 1994). Lind et al. (2009) examined 
the genetic consequences of the mass spawning technique in 
pearl oysters and found that this method resulted in hatchery 
stocks with lower genetic variation and effective population 
sizes than stocks produced through controlled spawns. We 
know that at least two of the hatchery populations included 
in this study, F_A and R_D, were produced via mass spawn 
and they exhibit the lowest allelic richness and effective 
population size (Tables 3, 4).

While it has been suggested that the loss of genetic diver-
sity in hatchery-reared populations can have substantial 
repercussions on their performance once released into the 
wild (e.g. Grant et al. 2017), few studies have successfully 
demonstrated a negative impact of reduced genetic diver-
sity on fitness. Yet, there are two examples from the east-
ern oyster. Smee et al. (2013) combined adult oysters from 
one to three distinct populations on experimental trays and 
deployed them in the field to measure the effect of genetic 
diversity on recruitment. Larval recruitment to the trays con-
taining a mixture of oysters from all three source popula-
tions was significantly higher than to the trays with just one 
population. To further characterize the relationship between 
diversity and key demographic traits and assess whether the 
relationship varies by environment, Hanley et al. (2016) pro-
duced oyster cohorts in a hatchery using broodstock from 
geographically distant natural populations, arranged them 
on tiles such that one to four cohorts were represented per 
tile, and placed the tiles at two sites that differed with respect 
to environmental stressors. Strong site and weaker diversity 
effects on short-term survival and growth were detected. 
Once again, a significant positive relationship between 
genetic diversity and recruitment was observed. Although 
we did not measure the relative fitness of hatchery-reared 
populations in our study, the works of Smee et al. (2013) and 
Hanley et al. (2016) underscore the potential risks associated 
with planting low-diversity stocks.

Marine species with planktonic larval stages (like oysters) 
often exhibit minimal population structure due to high levels 
of unrestricted gene flow (Palumbi 2003). There are sev-
eral published examples where bivalve mollusc populations 
surveyed across varied spatial scales have shown very little 
genetic differentiation. Sea scallop populations within the 
Gulf of Maine are panmictic (Kenchington et al. 2006). Very 
weak population structure was detected among wild eastern 
oysters sampled throughout the Chesapeake Bay, although 
a significant pattern of isolation by distance suggests that 
local gene flow predominates there (Rose et al. 2006). Simi-
larly, wild Sydney Rock oysters collected from separate bays 
within the Georges River estuary, New South Wales were not 
substantially different from one another (Thompson et al. 
2017). Therefore, our results indicating genetic homogeneity 
among wild populations located within 10 km of one another 

and genetic similarity between wild adults and spat are not 
surprising. Natural populations in southern Rhode Island 
appear to be well-mixed.

However, we did detect considerable genetic differ-
entiation between the wild and hatchery-derived popu-
lations residing within and just outside Ninigret Pond. 
Farmed stocks A, B, and restored stock D were moder-
ately or highly differentiated from the wild populations. 
The differentiation observed between the two groups is 
likely due to differences in geographic origin between the 
hatchery-reared and wild strains and/or the extent to which 
the hatchery strains were subject to directional artificial 
selection. Genetic drift also can profoundly affect allele 
frequencies when acting within small hatchery populations 
founded with relatively few individuals.

Genetic differences between wild and hatchery strains 
associated with reduced fitness of hatchery strains in the 
wild may have limited the success of three separate eastern 
oyster restoration attempts in the Chesapeake Bay between 
1999 and 2006. In each effort, several 100,000 to millions 
of disease-resistant oyster seed derived from either a wild 
Gulf of Mexico strain or a local selective breeding pro-
gram were planted at multiple locations throughout the bay 
in close proximity to natural reefs. Oyster spat were col-
lected from various reefs and screened at genetic loci that 
distinguished transplants from native stocks. Within 1 year 
of planting, Hare et al. (2006) deduced that the planting of 
750,000 selected seed resulted in less than 10% enhance-
ment of wild oyster reefs. By 3 years post-planting, < 2% 
of the oysters genotyped in the other two studies belonged 
to the strain used for supplementation, suggesting that the 
transplant survival and contribution to local recruitment 
was negligible (Milbury et al. 2004; Carlsson et al. 2008).

Alternatively, survival and subsequent interbreeding of 
hatchery-reared and wild stocks with genetically divergent 
backgrounds can have deleterious effects on the genetic 
composition of natural populations. These include the ero-
sion of adaptive genetic structure, outbreeding depression 
(where hybrid animals are less fit than their native coun-
terparts), and inbreeding depression (Ward 2006; Grant 
et al. 2017). For example, translocation of black-lipped 
pearl oyster (Pinctada margaritifera cumingii) seed across 
distinct locations within French Polynesia over the course 
of 10 years resulted in the homogenization of populations 
that previously had been adapted to specific environments 
(Arnaud-Haond et al. 2004). Several studies have docu-
mented the negative impacts of outbreeding depression in 
salmonid species and these have been reviewed in Ward 
(2006). The release of hatchery populations with a low 
effective number of breeders (Ne) can result in ‘genetic 
swamping,’ where large numbers of a few closely related 
genotypes swamp wild populations, and can lead to 
inbreeding depression (Ward 2006; Grant et al. 2017). The 
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proximity of genetically-limited cultured populations to 
wild ones, the high connectivity among eastern oyster pop-
ulations within both large and small embayments (Spires 
2015), and the documented spillover of oyster larvae from 
protected areas (Peters et al. 2017) highlight the potential 
for genetic swamping of wild populations in Ninigret Pond.

The detection of low diversity, small Ne populations 
(R_A, R_D, and F_A) in our study suggest there is potential 
for genetic swamping of more genetically diverse wild popu-
lations in Ninigret Pond. At least one migrant was detected 
in most populations and the number of introgressed indi-
viduals in each population ranged from 2 to 11 (Fig. 3). The 
fewest number of migrants and the least represented ancestry 
among populations was from the F_A cluster. F_A exhib-
ited the lowest genetic diversity and one of the smallest Ne 
among the populations sampled. Minimal genetic exchange 
between this farmed population and the wild suggests the 
risk of genetic swamping by F_A was low.

Curious results were observed in adult and spat collected 
from W_SS. Genetic diversity did not differ between the two 
generations and FST indicated no genetic differentiation, but 
estimated Ne was dramatically lower in the spat. W_SS also 
exhibited the greatest genetic exchange with hatchery-reared 
populations (Fig. 3). Furthermore, although the STRU CTU 
RE analysis detected no population structure among wild 
populations when all 13 populations were included, W_SS_S 
formed a unique cluster when the subset of wild populations 
was analyzed separately, but admixture between W_SS_S and 
the remaining wild populations was relatively high (Fig. 5). 
This perplexing pattern may have been caused by either (1) 
erroneous collection and labeling of restored spat as W_SS 
(given the close proximity of the W_SS, R_A, and R_D popu-
lations) or (2) W_SS_S are a mixture of two genetically dif-
ferentiated source stocks (wild and restored). We tested and 
rejected the first hypothesis by running STRU CTU RE with 
W_SS_S and all hatchery-reared populations and detecting 
three distinct clusters: W_SS_S, F_A, and all other popula-
tions (data not shown). Support for the second explanation 
was similarly obtained from a STRU CTU RE run that included 
a 14th ‘population’, created by sampling multi-locus geno-
types from all original populations (data not shown).

Ninigret Pond is characterized by low flushing rates and 
high particle retention times (Nixon et  al. 2001). These 
factors, in addition to the multiple uses the pond supports, 
facilitated ample genetic exchange among wild, restored, 
and cultured populations. We were primarily interested in 
the movement and introgression of hatchery-derived stocks 
into wild populations; however, we also observed substan-
tial genetic exchange in the opposite direction. Contributions 
from wild were highest in R_A and the bulk of the exchange 
was due to migration. Extensive admixture was detected in 
F_C. The mechanism underlying the observed patterns of 
exchange must be inferred differently for restored and farmed 

populations. Three medium- to large-scale restored oyster 
reefs were established with hatchery-derived stocks during the 
5 years prior to our study. Not only were these reefs closed to 
harvest, but a relatively rare, strong natural recruitment event 
was recorded in 2010 (Griffin 2016). Thus, the STRU CTU 
RE results for R_A can be interpreted as migration from wild 
followed by introgression of the wild and hatchery stocks. 
Because the average residence time of farmed oysters in Nini-
gret Pond is 2 years, it is difficult to imagine a scenario where 
the admixture observed in F_C could be caused by the same 
mechanism. It is more likely that the genetic composition of 
the F_C stock prior to deployment was more similar to the 
wild populations than the other hatchery-derived stocks.

Implications

To offset the decline in wild eastern oyster harvests, the 
aquaculture industry has been steadily increasing since 
the 1970s and well-intentioned restoration efforts using 
hatchery-reared strains have been and continue to be initi-
ated in Rhode Island (Rice et al. 2000). We applied popula-
tion genetic methods to quantify genetic diversity and the 
degree of genetic differentiation among remnant wild and 
cultured populations in order to better understand the role 
anthropogenic manipulations play in the health and sustain-
ability of wild eastern oyster populations living in Ninigret 
Pond, the largest multi-use coastal lagoon in southern Rhode 
Island. Our results indicate higher levels of genetic diver-
sity within the wild populations compared to the cultured 
stocks and significant levels of differentiation between the 
wild and hatchery-reared populations. We also showed that 
genetic exchange does occur between wild and hatchery-
derived oyster strains at small spatial scales. The recruitment 
of differentiated, less genetically diverse hatchery stocks to 
sympatric wild populations highlights the need for a policy 
change, particularly with respect to publicly-funded restora-
tion projects that are closed to harvest. As a starting point, 
the origin and selection history of restoration seed should 
be well-documented prior to planting. Because the genetic 
composition of natural populations drives their evolutionary 
trajectory, management practices that minimize extensive 
introgression from and genetic swamping by low-diversity, 
domesticated strains, including the use of wild broodstock 
with known and well-matched geographic source(s), should 
be required. Furthermore, mandatory documentation of 
broodstock provenance will facilitate the use of genetics 
to better gauge the success of restoration efforts. Measures 
of successful restoration should extend beyond enhanced 
recruitment and ecosystem services in the short-term. 
Changes in genetic integrity (diversity, effective population 
size, and local adaptation) should also be used to evaluate 
the effects of restoration in the long term.
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