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N2O yield (0.86 ± 0.16) from low elevation soils, 
we observed small N2O emissions in  situ, suggest-
ing minimal incomplete denitrification even in satu-
rated depressions. Groundwater seeps had an order of 
magnitude higher denitrification potentials and 100–
300 × greater soil NO3− concentrations than the typi-
cally saturated low elevation soils. Groundwater seeps 
also had high N2O yield (1.05 ± 0.15) and higher, but 
spatially variable, in situ N2O emissions. Our results 
indicate that N removal is concentrated where soils 
interact with NO3–rich groundwater, but other factors 
such as low soil carbon (C) also limit denitrification. 
Designing restoration features to increase ground-
water residence time, particularly in low lying, spe-
cies rich areas, may promote more N attenuation in 
restored cranberry bogs and other herbaceous riparian 
wetlands.

Keywords  Denitrification · Wetland restoration · 
Groundwater · Hot spots · Microtopography

Introduction

To decrease threats that excess nitrogen (N) poses 
to waterbodies globally, wetland restoration projects 
typically aim to restore a suite of ecosystem func-
tions, including N removal via denitrification (Zedler 
2000; Bricker et al. 2008; Montoya et al. 2012; Cheng 
et al. 2020). Denitrification is the microbial reduction 
of nitrate (NO3

−) to gaseous forms (inert dinitrogen, 

Abstract  Restorations of former cranberry farms 
(“bogs”) aim to re-establish native wetland veg-
etation, promote cold water habitat, and attenuate 
nitrogen (N) delivery to coastal waters. It is unclear, 
though, how elements of restoration design such as 
microtopography, groundwater interception, and plant 
communities affect N removal via denitrification. 
In a recently restored riparian cranberry bog with 
created microtopography, we compared denitrifica-
tion potential, nitrous oxide (N2O) yield of denitri-
fication (ratio of N2O:N2O + N2 gases), in  situ N2O 
fluxes, soil chemistry, and plant communities at the 
highest and lowest elevations within 20 plots and at 
four side-channel groundwater seeps. Denitrification 
potential was > 2 × greater at low elevations, which 
had plant communities distinct from high elevations, 
and was positively correlated with plant species rich-
ness (Spearman’s rho = 0.43). Despite detecting high 

Responsible Editor: Ishi Buffam.

S. M. Klionsky (*) · A. M. Helton · B. Lawrence 
Department of Natural Resources and the Environment, 
University of Connecticut, Storrs, CT, USA
e-mail: sarah.klionsky@uconn.edu

C. Neill 
Woodwell Climate Research Center, Woods Hole, MA, 
USA

A. M. Helton · B. Lawrence 
Center for Environmental Science and Engineering, 
University of Connecticut, Storrs, CT, USA

http://orcid.org/0009-0000-6708-1085
http://orcid.org/0000-0002-0232-8371
http://orcid.org/0000-0001-6928-2104
http://orcid.org/0000-0002-5292-9618
http://crossmark.crossref.org/dialog/?doi=10.1007/s10533-024-01156-w&domain=pdf


1042	 Biogeochemistry (2024) 167:1041–1056

1 3
Vol:. (1234567890)

N2, or potent greenhouse gas nitrous oxide, N2O). 
Because the reaction requires an anoxic environ-
ment, wetlands are important landscape sinks for 
N, with denitrification as the dominant process of 
NO3

− removal (Brinson et  al. 1984; Saunders and 
Kalff 2001). Despite evidence that wetland restora-
tion can increase denitrification (Wolf et  al. 2011a; 
Ballantine et  al. 2017; Dee and Tank 2020), how 
different restoration features, e.g., plant community, 
microtopography, created stream channels, alter N 
removal in restored wetland ecosystems remains 
poorly understood.

Plants affect denitrification by competing for 
NO3

−, diffusing oxygen through their roots, and sup-
plying organic carbon (C) as root exudates or biomass 
to soil microbes (Bachand and Horne 2000; Fornara 
and Tilman 2008; Bastviken et  al. 2005; Sutton-
Grier et al. 2011). In general, denitrification is higher 
in vegetated than unvegetated sites (Nilsson et  al. 
2020; Audet et  al. 2021), and, in some ecosystems, 
plant species dominance is tightly linked to denitri-
fication rates (Alldred and Baines 2016; Ooi et  al. 
2022). Highly controlled experiments also indicate 
that certain species (e.g., Leersia oryzoides) are cor-
related with higher denitrification rates (Taylor et  al 
2015; Speir et al. 2017; Malique et al. 2019; Brisson 
et al. 2020). Plant functional diversity can be related 
to denitrification, although the direction and magni-
tude of influence is largely dependent on soil charac-
teristics like moisture, C, and N content (Sutton-Grier 
et al. 2011). Although species diversity is often a res-
toration target, examining how plant functional traits 
relate to ecosystem processes may promote generali-
zation across restoration projects (Alldred and Baines 
2016; Zirbel et al. 2017).

Microtopography (< 1  m vertical relief) is an 
important driver of wetland abiotic conditions that 
influence plant community composition and ecosys-
tem processes such as denitrification (Larkin et  al. 
2006). Topographic heterogeneity can promote N 
removal by providing coupled oxic-anoxic environ-
ments so nitrification, an aerobic process, oxidizes 
ammonium (NH4

+) to NO3
−, which then fuels denitri-

fication (Reddy and Patrick 1984; Wolf et al. 2011b). 
Using model simulations, Frei et al. (2012) found that 
microtopography created hot spots for denitrification 
by varying flow paths, increasing water residence 
time, and creating spatial separation between sites 
that are optimal for nitrification and denitrification. 

Microtopography is increasingly integrated into wet-
land restoration (Wolf et al. 2011a), so understanding 
the extent to which it alters N removal via denitrifica-
tion is important for informing restoration design.

Denitrification is a spatially and temporally het-
erogeneous biogeochemical reaction, with elevated 
rates at particular locations (i.e., hot spots) and times 
(i.e., hot moments) (McLain et  al. 2003). Bernhardt 
et  al. (2017) argued that hot spots and hot moments 
create multiple categories of environmental control 
points. Delivery of limiting reactants can activate 
control points; for example, discharge of NO3

−-rich 
groundwater may activate denitrification at the dis-
charge site. Stream channel reconfiguration during 
wetland restoration could promote groundwater con-
nectivity when new channels intercept groundwater 
discharge (“seeps”) (Hare et  al. 2015; Harvey et  al. 
2019). Groundwater discharging into streams rather 
than more diffusely into wetlands may decrease deni-
trification and increase downstream N loading, but it 
can also provide cold water refugia for wildlife (e.g., 
brook trout), an objective for some restorations (Lake 
et al. 2007, Living Observatory 2020).

Although elevated denitrification rates reduce N 
loading to downstream ecosystems, they may also 
increase N2O emissions from restored wetlands via 
incomplete denitrification. With a global warming 
potential 298 times that of CO2, N2O emissions are 
an important factor when considering the outcomes 
of wetland restoration (Wilson et  al. 2016; He et  al. 
2024). The N2O yield of denitrification (ratio of N2O 
to N2O + N2 gases) tends to be higher in acidic soils 
(Liu et al. 2010) and when NO3

− concentrations are 
very high (e.g., > 15 mg/L; Moseman-Valtierra et  al. 
2011; Chmura et  al. 2016), both of which lead to 
higher rates of incomplete denitrification. Restora-
tion of former cranberry farms (“bogs”) to freshwa-
ter wetlands may increase N removal via incomplete 
denitrification (N2O emissions) as well as complete 
denitrification (N2 emissions) as they have acidic 
soils (pH < 6) and often NO3

− rich groundwater dis-
charge, but we lack understanding of these processes 
across different restoration features that are increas-
ingly being implemented in southern New England.

Most cranberry (Vaccinium macrocarpon) farms 
in Massachusetts (MA), USA are located on former 
wetlands, and many are in coastal watersheds with 
impaired water quality from excess N (Howes et  al. 
2005). Cranberry bogs cover ~ 5400  ha of land in 



1043Biogeochemistry (2024) 167:1041–1056	

1 3
Vol.: (0123456789)

MA, and, in 2016, the MA Cranberry Revitalization 
Task Force estimated that 400  ha had been retired 
and up to 2400 ha were at risk of being taken out of 
production due to competition from other regions and 
uncertainty in the cranberry market (MA Depart-
ment of Agricultural Resources 2016). Retired cran-
berry farms that are prioritized for restoration are 
often built around groundwater fed streams (Kennedy 
et al. 2020), and the groundwater of many watersheds 
with active and retired cranberry farms has elevated 
NO3

− concentrations from septic systems and ferti-
lizer use (Valiela et  al. 1990; McCobb et  al. 2021). 
Our overarching aim was to quantify the spatial pat-
terns of N removal via denitrification and the rela-
tionships between N removal and key features of a 
recently restored cranberry bog complex—plant com-
munities, created microtopography, and groundwater 
seeps. Specifically, we quantified: (1) relationships 

among denitrification potential, in  situ N2O gas 
flux, and metrics of plant community composition, 
(2) the influence of relative topographic position on 
denitrification potential and in situ N2O gas flux, and 
(3) denitrification potential and in  situ N2O gas flux 
at groundwater seeps on side-channels that fed the 
reconfigured stream channel.

Methods

Site description

This study took place at the Coonamessett River res-
toration (Falmouth, MA, USA) within two former 
bog cells (Fig. 1). Upper (3.8 ha) and Middle (6.3 ha) 
Bogs were farmed for more than 100 years and were 
considered “flow-through” bogs with stream channels 

Fig. 1   Aerial photograph 
of Upper and Middle Bogs 
on the Coonamessett River 
(Falmouth, MA USA). Blue 
circles represent randomly 
located plots (9 m2) in 
which we located high and 
low elevation subplots (625 
cm2), as indicated by lower, 
right diagram. Green trian-
gles represent side-channel 
plots, which include paired 
1 m2 seep and non-seep 
plots (top, right diagram). 
Black circles represent 
static chambers (not to 
scale) for measuring in situ 
greenhouse gas fluxes
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dissecting bog surfaces (Hoekstra et al. 2019). These 
agricultural wetlands occur in groundwater fed spring 
sapping valleys and have underlying peat, though 
Upper Bog is more uniformly underlain with peat 
than Middle Bog, which has patchy deposits with var-
iable peat depth (NRCS 2016). Established cranberry 
farming practices involved placement of 1–5  cm of 
sand on bogs every 2–5 years (Sandler and DeMoran-
ville 2008), resulting in 35  cm to > 100  cm of sand 
overlying the native wetland soil at this site. Both 
bogs were retired from farming in 2013 and restored 
before the 2020 growing season using practices that 
have been commonly employed for cranberry bog 
restoration in the region. Restoration included remov-
ing water control structures, filling drainage ditches, 
building a sinuous stream channel, adding large wood 
to the channel and floodplain, and creating micro-
topography on the bog surface. Some farm ditches 
were retained as small feeder creeks into the main 
channel. Portions of the channel banks were seeded 
with a native seed mix (14 species: 64% graminoids, 
36% forbs) for stability. On the bog surface, seedlings 
of three native trees (~ 35 total seedlings/ha) and six 
native shrubs (~ 15 total seedlings/ha) were planted, 
but other plants on the former bog surface regener-
ated on their own without seeding.

Plot selection

Within both Upper and Middle Bogs, we established 
10 randomly located, 3 × 3 m plots for vegetation sur-
veys (Fig.  1). To examine the effects of elevational 
differences resulting from created microtopography, 
we used RTK GPS (Topcon-GR3, 5  mm vertical 
accuracy) to identify the highest and lowest eleva-
tion within each of the 20 plots (hereafter “elevation 
plots”). We used each point to center a 25 × 25  cm 
plot (20 per elevation class, 40 total). High plots had 
a mean elevation 3.43 (± 0.10) m above sea level, and 
low plots averaged 3.01 (± 0.09) m above sea level. 
We also subtracted the lowest from the highest ele-
vation within each 3 × 3  m plot to calculate vertical 
relief, which ranged from 0.28 to 0.82  m and aver-
aged 0.45 (± 0.03) m. Because this was not an experi-
mental restoration, the abiotic conditions of high and 
low plots varied. Most high plots were well-drained 
and rarely saturated, while most low plots were at 
least seasonally saturated or inundated.

To investigate how actively discharging groundwa-
ter seeps alter denitrification potential and N2O emis-
sions, we placed an additional four pairs of 1 × 1  m 
plots along four side-channels (hereafter “side-
channel plots”; Fig.  1). In August 2022, we located 
groundwater seep plots by scanning side-channel 
feeder streams that run into the Coonamessett River 
with a thermal infrared camera (FLIR T540) to indi-
cate locations of potential groundwater upwelling. 
Because groundwater temperature remains constant 
relative to surface water (Hayashi and Rosenberry 
2002), infrared imaging is an effective way to locate 
groundwater during months when the temperature 
differential between groundwater and surface water is 
largest (Hare et al. 2015). Within two meters of seep 
plots, we established paired, non-seep plots on the 
bog surface.

Vegetation surveys

Within elevation plots (25 × 25  cm), we identified 
all species present in August 2021 and visually esti-
mated their percent cover using seven cover class 
bins (< 1%, 1–2%, 3–5%, 6–15%, 16–25%, 26–50%, 
51–75%, 76–100%) (Braun-Blanquet 1932; Walker 
et al. 2018).

In situ gas flux measurements

We used static chambers (Holland et  al. 1999) to 
quantify in situ N2O soil-to-atmosphere fluxes (emis-
sions) from different microtopographic positions. 
We installed opaque 10.16-cm diameter PVC static 
chamber collars in each elevation plot, resulting in 20 
“high” and 20 “low” elevation chambers. To investi-
gate how groundwater seeps alter N2O emissions, we 
installed three static chambers in each side-channel 
plot, resulting in 12 chambers at both groundwater 
seep and paired non-seep locations. All collars were 
installed > 7  days before gas sampling. During sam-
pling, we placed a PVC cap fitted with a vent and sep-
tum on each collar (Holland et al. 1999; Helton et al. 
2019) and collected gas samples into pre-evacuated 
22 ml vials at 0, 15, 30, and 45 min. We sampled gas 
emissions from elevation plots over the course of 2 
days in August 2021, and from side-channel plots 
during 1 day in August 2022. N2O concentrations 
were measured using a Perkin Elmer Clarus 580 gas 
chromatograph with an electron capture detector. The 
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N2O flux rates were calculated as the slope of the lin-
ear regression of μg N2O-N accumulation over time 
per m2. To determine N2O flux, we first converted 
concentrations (ppm-v) to mass (μg-m3) using the 
ideal gas law and field measurements of barometric 
pressure and air temperature. We then calculated the 
concentration difference between sampling times for 
each chamber. We calculated the minimum detectable 
concentration difference (MDCD) following Yates 
et al. 2006, and fluxes below the MDCD were given 
a slope of zero. We included fluxes whose concentra-
tions exceeded the MDCD and whose linear accumu-
lation of N2O over time had an r2 > 0.85 in the final 
corrections for chamber volume and surface area. 
For fluxes above the MDCD but with an r2 < 0.85, we 
recalculated the flux when it was possible to improve 
the linear fit by dropping one or two anomalous sam-
ples (e.g., Doroski et al. 2019; Granville et al. 2021). 
Of 64 total flux measurements, 31 were below MDCD 
and set to zero, and 17 fluxes did not meet the linear 
criteria and were excluded from analysis.

Soil analyses

From each elevation plot, we collected three soil 
cores (10 cm depth, 5 cm diameter), one each for soil 
chemistry and microbial process rates, below ground 
biomass, and bulk density; these cores were kept 
separate. From each side-channel plot, we collected 
three soil cores, one from each chamber after in situ 
N2O flux measurement; these cores were pooled at 
the plot-level for measurements of soil chemistry and 
microbial process rates. Samples were transported 
back to the laboratory on ice and sieved through a 
2 mm mesh screen. We dried a subset of each sample 
at 105 °C to determine gravimetric soil moisture and 
used a Costech ECS 4010 to quantify total % C and % 
N and the C to N molar ratio (C:N). To measure pH, 
we added 5 g of sieved soil to 25 ml of DI water and 
shook the solution on a shaker table at 200  rpm for 
10 min. After allowing the mixture to equilibrate for 
30 min, we measured pH using an Orion ROSS Ultra 
Refillable pH/ATC Triode.

To extract soil NH4
+ and NO3

−, we mixed 2.5  g 
of sieved soil with 25 ml of 2N KCl in 50 ml tubes. 
After vortexing for five seconds, we shook the tubes 
at 200  rpm for 30  min. After allowing the mixture 
to settle, we filtered the supernatant through What-
man 589/1 filters that were pre-rinsed with 2  M 

KCl followed by DI water and dried in an oven 
at 38  °C. We used colorimetric determination on 
a Gallery™ Discrete Analyzer to quantify KCl-
extractable NO3

− (by enzymatic reduction follow-
ing Campbell et  al. 2004) and NH4

+ (EPA Method 
350.1 Rev 2). Along with measuring soil-extractable 
NO3

− and NH4
+ at the time of collection, we meas-

ured N mineralization and net nitrification from the 
elevation plot samples by incubating field moist soil 
samples for 14  days at room temperature in flasks 
exposed to room air, covered with parafilm, while 
maintaining field moisture (Yavitt et al. 2018). After 
14 days, we collected a second set of KCl-extractable 
NO3

− and NH4
+ samples. Nitrogen mineralization 

was calculated as the difference in the sum of NH4
+ 

and NO3
− concentrations between the two extrac-

tions, and net nitrification was the difference between 
NO3

− concentrations in the first and second extrac-
tions. To estimate bulk density, we dried a soil core at 
105 °C and divided dry mass by core volume (g/cm3).

Denitrification potential

We measured denitrification potential using the 
denitrification enzyme activity (DEA) assay method 
(Groffman et  al. 1999), which uses acetylene gas to 
induce incomplete denitrification and stop the reac-
tion at N2O. We placed 10  g of sieved, field-moist 
soil from each subplot in 125  ml Erlenmeyer flasks 
and amended soil samples with 20  ml of a solution 
containing glucose, KNO3, and chloramphenicol to 
provide excess C, excess NO3

−, and to inhibit synthe-
sis of new denitrifying enzymes, respectively. Flasks 
were sealed, evacuated of air, flushed with N2, and 
acetylene gas was added to the headspace. N2O con-
centrations from DEA assays were measured at 0, 30, 
60, and 90 min, and production rate was calculated as 
the slope of the N2O accumulation in the headspace 
over time per gram of dry soil. With an acetylene 
block, the N2O measured is assumed to include both 
N2 that would be produced from complete denitrifi-
cation and N2O from incomplete denitrification. We 
also conducted DEA assays using the same method 
but without adding acetylene for the 20 low plots 
and all side-channel samples. Without acetylene, 
the denitrification reaction can proceed to N2, and 
the only N2O measured is the product of incomplete 
denitrification. N2O yield is N2O produced by a DEA 
assay with no acetylene divided by N2O produced by 
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a DEA assay on the same soil with acetylene (Gran-
ville et  al. 2021). As with in  situ flux samples, we 
measured N2O concentrations on the Perkin Elmer 
Clarus 580 gas chromatograph, calculated concentra-
tion differences to determine the fluxes that exceed 
the MDCD and considered samples with a linear 
accumulation with an r2 > 0.75 (94% of fluxes had 
an r2 > 0.85). For fluxes above the MDCD but with 
an r2 < 0.75, we recalculated the flux when we could 
improve the linear fit by dropping one or two anoma-
lous samples. Of 58 total flux measurements, 10 were 
below MDCD and set to zero, and three did not meet 
the linear criteria and were excluded from analysis.

Denitrification enzyme activity assays do not 
measure actual denitrification in the field but rather 
create ideal conditions for denitrification in the lab-
oratory. The anoxic environment of DEA assays 
inhibits nitrification and potentially underestimates 
denitrification in low-NO3

− systems where linked 
nitrification–denitrification is important (Groffman 
2006). Nevertheless, DEAs are a useful tool for com-
paring many samples across space or time (Groffman 
et  al. 2006), but our application does not allow for 
accurate annual site-scale estimates of N removal.

Plant community metrics

In each elevation plot, we measured above and below 
ground biomass and used root porosity as an index 
of how the vegetation may impact redox conditions 
via rhizospheric oxidation (after McGill et  al. 2010 
and Sutton-Grier et  al. 2011). To determine above 
ground biomass, we clipped all the vegetation at 
the soil surface in each 25 × 25 cm plot. To estimate 
below ground biomass, we washed sediment from 
roots and rhizomes from 196 cm3 cores over a 1-mm 
mesh sieve. All biomass was dried at 60 °C until con-
stant mass. A subset of field fresh roots was used to 
estimate root porosity using the pycnometer method 
(Jensen et al. 1969).

Data analysis

Data analyses were conducted using R 4.1.2 (R Core 
Team 2022). We used analysis of variance (ANOVA) 
or Kruskal–Wallis tests (when parametric model 
assumptions were violated) to evaluate denitrifica-
tion potential, soil chemistry parameters, and plant 
community traits between high vs. low elevations and 

seeps vs. non-seep locations. In the elevation plots, 
pH, species richness, and log-transformed gravimet-
ric soil moisture met assumptions of normality and 
equal variance and were compared between low and 
high elevation plots using ANOVA. The remaining 
variables were compared with Kruskal–Wallis tests. 
In side-channel plots, we compared the pH, gravimet-
ric soil moisture, C:N, NH4

+ (µg N/g dry soil) (square 
root transformed), NO3

− (µg N/g dry soil), and in situ 
N2O flux (µg N/m2/hr) of seeps and non-seeps using 
ANOVA.

For elevation plot data, we used Spearman rank 
comparison tests to test relationships between deni-
trification potential and soil and vegetation character-
istics and 3 × 3  m plot-level vertical relief. We then 
included all characteristics with significant correla-
tions in a generalized linear model with a quasipois-
son distribution to examine a multi-parameter model 
for denitrification potential. For side-channel data, 
we used Spearman rank comparison tests to test 
relationships between denitrification potential and 
soil characteristics. To test for an interactive effect 
between soil moisture and NH4

+ or NO3
− in seeps 

vs. non-seeps, we used two generalized linear mod-
els with quasipoisson distributions. We used paired 
Wilcoxon tests to test the difference between deni-
trification potential and N2O production for the low 
elevation plots and the side-channel plots. We used a 
Friedman test to compare in situ N2O fluxes at seeps 
and non-seeps, and we compared fluxes with denitri-
fication potential and soil chemistry parameters using 
Pearson correlation tests. We then included all char-
acteristics with significant correlations to in situ flux 
as fixed effects in a linear mixed effects model with 
in situ flux as a response variable and block as a ran-
dom effect.

We used the indicspecies package in R (De Cáceres 
et  al. 2023) to conduct an indicator species analysis 
to identify plant species that were likely to occur in 
only high or low relative elevations. We also ran an 
indicator species analysis for denitrification potential, 
which required us to group plots into high, low, and 
zero denitrification potential categories. In this analy-
sis, high denitrification potentials were greater than 
10 ng N/hr/g dry soil. To evaluate the probability of 
associations with our a priori groups, we ran 999 ran-
dom permutations using the multipatt function.

To further examine plant community composi-
tion between high and low plots, we used non-metric 
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multidimensional scaling (NMDS) ordination to 
visualize trends in the species composition. We con-
structed a Bray–Curtis dissimilarity matrix for spe-
cies percent cover (using mid-points of each cover 
class). We used the metaMDS function in the vegan 
package in R (Oksanen et  al. 2020) with 50 rand-
omized runs and three final axis iterations to deter-
mine a solution with a stress value < 0.15. To test 
for differences between plant communities among 

elevation groups, we completed a permutational 
multivariate analysis of variance (PERMANOVA) 
using the adonis2 function with 999 random permu-
tations after using the betadisper function to ensure 
the two groups (high and low) had similar dispersions 
(Oksanen et al. 2020).

Results

Denitrification potential & N2O yield: 
microtopography

Denitrification potential was more than 2 × greater 
in soils collected from low (8.39 ± 2.70  ng N/hr/g 
dry soil) than high (3.40 ± 1.00  ng N/hr/g dry soil) 
elevations (Kruskal–Wallis (K–W) chi-squared 
(χ2) = 4.05, p-value = 0.04) (Fig.  2). N2O yield 
from low elevation soils averaged 0.86 (± 0.16); we 
did not calculate N2O yield for high elevation soils 
because denitrification potentials were very low. We 
did not detect differences in N2O production from 
DEA assays with (8.39 ± 2.70 ng N/hr/g dry soil) or 
without (7.40 ± 1.71  ng N/hr/g dry soil) an acety-
lene block, suggesting predominance of incomplete 
denitrification.

Fig. 2   Mean denitrification potential (ng N/hr/g dry soil) was 
greater in low than high elevations in a restored cranberry bog 
complex in Falmouth, MA. Letters indicate significant differ-
ences (α ≤ 0.05)

Table 1   Mean (± standard error) soil chemistry and plant community metrics of low and high elevations

*Denotes significant differences between elevations (α ≤ 0.05)

Parameter Elevation

High Low

Denitrification potential (ng N/hr/g dry soil)* 3.40 ± 1.00 8.39 ± 2.70
Gravimetric soil moisture* 0.22 ± 0.11 0.37 ± 0.05
pH* 5.21 ± 0.13 5.62 ± 0.09
NO3

− (µg N/g dry soil) 0.007 ± 0.005 0.009 ± 0.008
NH3

+ (µg N/g dry soil) 4.66 ± 0.57 4.03 ± 0.26
Net N mineralization (µg N/g dry soil) 0.57 ± 0.61 1.20 ± 0.59
Net nitrification (µg N/g dry soil) 0.04 ± 0.03 0.17 ± 0.08
C:N molar ratio 28.36 ± 1.52 28.26 ± 1.47
Soil carbon (%) 2.18 ± 0.58 1.72 ± 0.37
Soil nitrogen (%) 0.10 ± 0.03 0.07 ± 0.02
Bulk density (g/cm3)* 2.12 ± 0.11 1.79 ± 0.11
Species richness (# species/ 625 cm2) 6.95 ± 0.70 7.21 ± 0.78
Above ground biomass (g/m2) 49.2 ± 12.0 59.9 ± 14.5
Below ground biomass (g/m2) 199.0 ± 71.2 213.5 ± 33.8
Root porosity 0.53 ± 0.17 0.26 ± 0.12
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No other pool or flux of N differed between 
high and low elevations (Table  1). Across all plots, 
NO3

− concentrations in collected soils were three 
orders of magnitude lower than soil NH4

+, and 
NO3

− was only detectable in 10% of samples while 
all samples had detectable NH4

+. Net nitrification, 
which occurred in 31% of samples, was an order 
of magnitude lower than net mineralization, which 
occurred in 69% of samples. Of the 10 other soil and 
plant community metrics we quantified, only three 
differed among high and low elevations (Table  1). 
Gravimetric soil moisture (F = 9.74, p < 0.001) and 
pH (F = 4.15, p < 0.05) were greater in low than high 
elevations. Bulk density was greater at higher eleva-
tions (KW χ2 = 6.82, p-value = 0.009).

Plant species richness and Shannon diversity index 
were strongly positively correlated with each other 
(Spearman’s rho = 0.73, p < 0.0001) and had similar 
relationships with denitrification potential, so we only 
report species richness here. Denitrification potential 
was positively correlated with plant species richness 

and negatively correlated with net nitrification, 
although these relationships were driven by a rela-
tively small number of plots (Fig.  3). The two plots 
with the highest denitrification potential did not have 
other notable differentiating characteristics. Both 
were close, but not the closest plots, to either a side 
channel or the main stem. No other soil or plant com-
munity metrics correlated with denitrification poten-
tial, nor did absolute elevation above sea level (m) or 
3 × 3 m plot-level vertical relief.

Although species richness did not differ between 
high and low elevations, plant community compo-
sition was distinct between elevations (F = 2.15, 
p = 0.001) (Fig.  4). Additionally, indicator species 
analysis identified two species associated with high 
elevations that were different from the five species 
associated with low elevations (Table  2). Neither 
high elevation indicator species were obligate wet-
land species (ACOE 2021), but all five low elevation 
indicator species were. We did not find indicator spe-
cies of denitrification potential based on categorical 
groupings.

Restoration feature: groundwater seeps

Denitrification potential was more than 34 × higher 
in soils collected from seep (64.24 ± 24.04 ng N/hr/g 
dry soil) than paired non-seep locations (1.87 ± 0.67 
ng N/hr/g dry soil) (K–W χ2 = 5.33, p = 0.02) 
(Fig. 5). Seeps also tended to have higher (but not sig-
nificantly so) N2O yield 1.05 ± (0.15) than non-seeps 
(0.65 ± 0.37). Denitrification potential was positively 
correlated with soil moisture and pH, and both param-
eters were significantly higher in seeps (soil moisture: 
0.37 ± 0.04, pH: 6.06 ± 0.15) than non-seeps (soil 
moisture: 0.11 ± 0.01, pH: 5.51 ± 0.12). Molar C:N 
of seeps (27.6 ± 4.2) and non-seeps (25.3 ± 1.9) did 
not differ and was not correlated with denitrification 
potential.

Soil-extractable NO3
− did not differ between 

seeps (2.35 ± 0.57 µg N/g dry soil) and non-seeps 
(1.45 ± 0.32 µg N/g dry soil), but side-channel loca-
tions had higher NO3

− than the high and low eleva-
tions (KW χ2 = 31.57, p < 0.0001). Seeps (4.15 ± 0.35 
µg N/g dry soil) had nearly 3 × the soil NH4

+ of 
non-seeps (1.40 ± 0.14 µg N/g dry soil) (F = 52.38, 
p < 0.0001). Non-seeps had lower soil NH4

+ than the 
high and low elevations on the former bog platform 
(F = 6.44, p < 0.01). NH4

+ in side-channel soils was 

Fig. 3   Across high and low wetland elevations (a) Plant spe-
cies richness (number of species per 625 cm2 subplot) was 
positively correlated with denitrification potential, and (b) net 
nitrification (μg N/g dry soil) was negatively correlated with 
denitrification potential, based on Spearman correlation tests
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also positively correlated with denitrification poten-
tial (Fig. 6), and soil NO3

− was marginally positively 
correlated with denitrification potential (Spearman’s 
rho = 0.67, p < 0.09). In a model including soil mois-
ture, NO3

−, NH4
+, and pH as explanatory variables, 

only NH4
+ was a significant predictor of denitrifica-

tion potential (t = 4.05, p < 0.03), and we saw no inter-
action between soil moisture and NO3

− or NH4
+.

In situ N2O emissions

We observed very limited in  situ N2O emissions on 
the former bog platform, regardless of topographic 
position. Of the 40 high and low elevation locations 
from which we sampled N2O emissions, six were 

Fig. 4   NMDS ordination of 
plant community composi-
tion (k = 3, stress = 0.13) 
using a Bray–Curtis 
distance matrix suggests 
separation between high 
and low elevations along 
axis 1. Each point repre-
sents the composition of 
one subplot; points closer 
together in ordination space 
have more similar species 
composition. Site centroids 
with one standard deviation 
are shown as ellipses and 
shaded by relative elevation. 
Vector represents direction 
of increasing denitrification 
potential within the ordina-
tion space

Table 2   Indicator species (α ≤ 0.05) for high and low elevations

Group association values indicate strength of each species’ association; values closer to one indicate stronger association
Wetland indicator status is based on U.S. Army Corps of Engineers designations

High elevation Low elevation

Species Group Asso-
ciation Value

Wetland Indicator Status Species Group Asso-
ciation Value

Wetland 
Indicator 
Status

Toxicodendron radicans 0.58 Facultative Juncus canadensis 0.86 Obligate
Dichanthelium clandestinum 0.55 Facultative wetland Ludwigia palustris 0.65 Obligate

Leersia oryzoides 0.55 Obligate
Eleocharis obtusa 0.51 Obligate
Sparganium americanum 0.51 Obligate

Fig. 5   Mean denitrification potential (ng N/hr/g dry soil) in 
seep locations was higher than in non-seep locations. Letters 
indicate significant differences (α ≤ 0.05)
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excluded from analysis. Only four (12%) locations 
had N2O emissions, one from a high and three from 
low elevations. Only two of the four locations with 
N2O emissions had detectable denitrification poten-
tials in our laboratory assays (5.40 and 15.60 ng N/
hr/g dry soil), and both locations had high N2O yield. 
Further analysis of relationships among in  situ flux, 
denitrification potential, and plant community traits 
was not possible.

In situ N2O emissions were also low in seep and 
non-seep locations, but N2O emissions were detected 

in 76% of seep and non-seep locations. Eight of the 
13 (61.5%) detectable N2O fluxes were in seeps. 
Despite mean fluxes that were more than 10 × greater 
(and median fluxes 5 × greater) from seeps (mean: 
51.18 ± 16.96 µg-N/m2/hr; median: 20.97 µg-N/m2/
hr) than non-seeps (mean: 4.90 ± 2.41 µg-N/m2/hr; 
median: 4.20 µg-N/m2/hr), they were only marginally 
different from each other (Friedman chi-squared = 3, 
p = 0.08). We observed spatial heterogeneity in 
N2O  fluxes, suggesting very localized emissions. 
At three seeps, two or three replicate chambers had 
significant N2O emissions. At all four non-seeps, we 
detected N2O emissions in one of the three replicate 
chambers.

There was a positive correlation between in  situ 
N2O emissions and denitrification potential (Spear-
man’s rho = 0.67, p < 0.02), soil NH4

+ (Spearman’s 
rho = 0.93, p < 0.003), and soil moisture (Spear-
man’s rho = 0.93, p < 0.003). When combined in a 
linear mixed effects model, though, only soil mois-
ture was a significant predictor of in  situ emissions. 
Soil temperature during in situ flux sampling was not 
significantly correlated with fluxes, and because soil 
temperature was negatively correlated with soil mois-
ture (R2 = − 0.73, p < 0.05), we did not include it as a 
covariate in the model.

Discussion

Removing excess N via denitrification is a common 
goal of wetland restoration, but understanding pat-
terns of denitrification is challenging because it is a 
spatially and temporally heterogeneous process that 
requires specific conditions, often leading to hot 
spots and hot moments (McClain et  al. 2003). We 
examined the relationship between design elements, 
including microtopography, vegetation, and ground-
water connectivity, and N removal via denitrifica-
tion to advance the practice of wetland restoration of 
former agricultural cranberry bogs. Our data showed 
that while relative topographic position and plant 
communities were related to denitrification poten-
tial across the bog platform, potential denitrification 
rates at groundwater seeps were an order of magni-
tude higher, likely because of high NO3

− availabil-
ity in discharging groundwater. Groundwater seeps 
were hot spots for N removal via denitrification (i.e., 
they had substantially higher potential denitrification 

Fig. 6   a Soil moisture, b pH soil, and c NH4
+ (µg N/g dry 

soil) were positively correlated with denitrification potential, 
based on Spearman correlation tests, in seep and non-seep 
locations
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rates relative to the surrounding matrix), but potential 
denitrification rates were still low relative to reference 
wetlands in the region (Ballantine et  al. 2017) and 
appeared to be constrained by other factors, including 
limited organic C availability in sandy surface soils.

Linkages between microtopography, vegetation, and 
denitrification potential

Created microtopography in restored wetlands can 
result in soil conditions that increase denitrification 
potential (Wolf et  al. 2011b) but creating micro-
topography is resource intensive. We found that lower 
elevations had more than 2 × greater denitrification 
potential and were wetter than high elevations, but we 
found no relationship between 3 × 3 m plot-scale ver-
tical relief and denitrification potential, so the opti-
mal magnitude of topographic variation to promote 
N removal via denitrification in restoration design is 
still unclear. Soil moisture at the time of soil collec-
tion was not directly correlated with denitrification 
potential, but greater cover of wetland obligate spe-
cies at low elevations strongly suggested that soil was 
more frequently inundated at lower elevations.

Despite elevated NO3
− in groundwater of the 

Coonamessett River watershed (Valiela et  al. 1990), 
we found low extractable soil NO3

− concentrations 
and relatively low rates of potential denitrification 
across the bog platform that indicated groundwa-
ter was not discharging at these locations. Soil-
extractable NO3

− was below detection in 88% of our 
samples, which is common in wetlands due to high 
plant uptake during the growing season and reduced 
conditions that favor denitrification and limit nitrifi-
cation (Jacinthe et  al. 2012; Helton et  al. 2015). At 
other restored cranberry bogs, high NO3

− concentra-
tions in groundwater were localized and only detected 
at groundwater springs or seeps (Redder et al. 2021; 
Watts et al. 2023). Similarly, we found soil collected 
from seeps had higher NO3

− concentrations (> 260×) 
and denitrification potentials (> 7×) than soils from 
the bog platform, indicating that seeps were denitrifi-
cation hot spots where localized NO3

− availability led 
to higher potential for denitrification.

Plant communities of restored cranberry bogs may 
be useful indicators of denitrification. Although the 
correlation was noisy, we found plant species rich-
ness to be positively correlated with denitrification 
potential. While we cannot definitively separate the 

effect of species richness from other environmental 
factors, species richness was not highly correlated to 
the abiotic factors we measured. We could not deter-
mine whether species assemblages worked together 
to enhance denitrification (complementarity) or if the 
presence of more species made the presence of spe-
cific species that enhance denitrification more likely 
(selection), but we did not find any species that were 
significant indicators of high denitrification poten-
tial. In a meta-analysis of biodiversity and ecosystem 
functioning, Brisson et al. (2020) also saw a positive 
relationship between species richness and denitrifica-
tion, and they found more evidence of selection than 
complementarity. In the absence of evidence of spe-
cific species effects on denitrification, species rich-
ness is a relatively easy characteristic to measure, 
making it a potentially useful indicator of denitrifica-
tion in restored wetlands.

The presence of Leersia oryzoides is an example 
of a species that might enhance denitrification; it is an 
abundant early successional wetland species (Farns-
worth and Meyerson 2003) associated with higher 
denitrification potential in agricultural ditches (Tyler 
et al. 2012, Taylor et al. 2015; Speir et al. 2017) and 
was indicative of low elevations in our restored wet-
land. Our soils had uniformly low C levels (all but 
three samples < 3% C) and no relationship between 
soil C and L. oryzoides; however, L. oryzoides has 
high leaf biomass turnover that may increase sup-
plies of organic C for denitrifying bacteria (Weisner 
et  al. 1994; Farnsworth and Meyerson 2003), sug-
gesting that species that rapidly increase soil organic 
matter immediately post-restoration may enhance 
denitrification.

High N2O yield but low in situ N2O emissions

N2O yield (N2O:(N2O + N2)) both from bog platform 
and side-channel plots ranged between 0.6 and 1.0, 
suggesting a large portion of in  situ denitrification 
was incomplete and produced N2O rather than N2. 
Our soils had pH levels on the low end of the optimal 
range (5.5–6) for denitrification, which may have pro-
moted the relatively high N2O yields (Liu et al. 2010), 
yet we found no correlation between pH and N2O 
yield. Across wetland systems, water table height 
is a driver of N2O emissions with higher emissions 
occurring during drier periods (Zou et al. 2022). It is 
possible that soil oxygen in wetter locations was low 
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enough for incomplete denitrification but too high 
for complete denitrification, resulting in high N2O 
yields (Wrage et al. 2001), though limitations associ-
ated with DEA methodology preclude our ability to 
make conclusions about variability in soil hypoxia. 
Although we did not detect elevated levels of net 
nitrification, N2O as a byproduct of nitrification is 
another plausible explanation for some N2O produc-
tion as lower elevations had much more soil NH4

+ 
than NO3

−, and seeps also had comparable NH4
+ 

concentrations.
In situ N2O emissions told a different story than 

N2O yield. Although potential differences in abiotic 
conditions between years limited interpretation of 
in  situ N2O emissions from a single sampling cam-
paign, our data suggest N2O emissions varied among 
restoration features. Where in  situ N2O emissions 
were detectable, particularly at seeps, they were simi-
lar in magnitude to those from undisturbed riparian 
wetlands in agricultural catchments and salt marshes 
(Audet et  al. 2014; Rosentreter et  al. 2021). We are 
unaware of other estimates of in situ emissions from 
former or restored cranberry farms. Groundwater 
seeps comprise a relatively small amount of the wet-
land area, and emissions were generally low or unde-
tected away from the seeps. There are limitations of 
extrapolation from one site, but many cranberry bogs 
that have been restored or are in the planning phases 
have similar groundwater chemistry and restoration 
design. Additional sampling across space and time 
would be helpful to augment our initial finding that 
restoring wetlands on former cranberry bogs does not 
result in large increases in N2O emissions.

Patterns of denitrification in situ over space and time

We quantified how microbial activity, soil chemistry, 
and vegetation varied across space, yet short-term 
temporal trends in denitrification may also be impor-
tant. Denitrification rates can vary within (Granville 
et al. 2021) and between (Wang et al. 2018) seasons, 
but we expect that groundwater seep locations are 
likely to remain hot spots over time, though the mag-
nitude of N removal may fluctuate.

We measured denitrification potential and in  situ 
N2O emissions in August during the second and third 
growing seasons after restoration. Wetland restora-
tion can increase denitrification potential, but soil 
functions are often slow to develop, and rates rarely 

return to reference wetland levels in the short-term 
(Moreno-Mateos et  al. 2012, Moreno-Mateos et  al. 
2015, Ballentine et  al. 2017). Investigating short-
term N removal response is valuable for understand-
ing drivers of restoration trajectories, but longer-term 
monitoring is needed to inform rates of recovery.

Although soils at this site mostly had higher NH4
+ 

than NO3
− and may be candidates for more linked 

nitrification–denitrification than we detected, we 
detected minimal nitrification, including in locations 
with relatively high NH4

+ and low soil moisture. Low 
nitrification rates were also measured in other active, 
retired, and restored cranberry bogs (Stackpoole et al. 
2008; Ballantine et al. 2017; Kennedy et al. 2020). At 
sites such as the Coonamessett River where manag-
ers are interested in the potential of restored wetlands 
to attenuate N, mechanistic studies based on DEAs 
could be paired with mass balance studies to quantify 
N loads above and below restored wetlands.

Restoration design and N removal

While accurate predictions of N removal via denitri-
fication at our study site were not possible given the 
constraints of our methods (DEAs) and sampling 
design, we can use our measured rates on the former 
bog platform and at the seeps to estimate the order of 
magnitude of N removal on the bogs. At our study 
site, the stream area (main channel and side channels 
with 2-m buffers) occupied ~ 10% of the total restored 
area. If we assume that 10–50% of the stream area 
(1–5% of total area) has the denitrification capac-
ity of seeps, it accounted for 13–40% of total poten-
tial denitrification in the restored area. Estimated N 
removal via denitrification of 14–20  kg N/yr was, 
however, much less than 1% of the inorganic N 
exported (~ 6,000 kgN/yr) through the restored reach 
of the Coonamessett River, estimated from surface 
water NH4

+ and NO3
− concentrations and river dis-

charge (Neill 2022). Even if the entire site had the 
denitrification potential rate of seeps, total N removal 
by denitrification would be less than 5% of exported 
inorganic N. Denitrification potentials measured from 
seeps were also an order of magnitude lower than 
those measured by Ballantine et al. (2017) in a wet-
land with organic-rich soils that served as a natural 
reference to restored cranberry bogs (1342 ± 331  ng 
N/hr/g dry soil), so it is possible that denitrifica-
tion in the restored wetlands will increase over time. 
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Although denitrification occurs in locations other 
than the platform and at groundwater seeps, the data 
suggest that cranberry bog wetland restoration alone, 
even when located in an area of active groundwater 
seepage, is likely to remove only a relatively small 
portion of total watershed N loading.

In cranberry bog restoration sites more generally, 
increasing the area of seeps may make incremental 
gains in N removal via denitrification, but dramati-
cally increasing denitrification in watersheds with 
high-NO3

− groundwater might require changes in res-
toration design. Creating lower elevation microsites, 
particularly those with higher species richness and 
contact with groundwater, could help produce anoxic 
locations for accumulation of organic matter. While 
there are still questions about how denitrification 
might increase over time as wetland soils accumulate 
more organic matter, incorporating design elements 
that intersect groundwater flow paths, substantially 
increase residence time of discharged groundwa-
ter, and increase surface area of soil-groundwater 
interaction by distributing water outside of principal 
stream channels could be viable strategies to increase 
N removal. At the same time, these design features 
would likely be at odds with creating fish habitat and 
lowering stream temperature. Increasing the area of 
rewetted, anoxic soil could also increase CH4 emis-
sions, and a recently restored cranberry bog had ele-
vated CH4 emissions relative to an older restored site, 
an unrestored, retired farm, and a reference wetland 
(Bartolucci et al. 2021). A meta-analysis by Zou et al 
(2022) found, though, that keeping the water table of 
rewetted wetlands near the soil surface minimized 
CH4 and N2O emissions. Both coastal and inland wet-
land restorations commonly have N removal goals, 
and better understanding how restoration features 
affect denitrification can help us learn about recov-
ery trajectories of biogeochemical cycles and inform 
future restoration design.
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