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in open water habitat to 0.26 g  m−2  Y−1 in shoreline 
areas. Integrated lake-wide  N2-N sediment flux esti-
mates were negative indicating the significant role 
of net  N2 fixation. More complex models explained 
similar amounts of variation (Adj. R2 = 0.57 vs. 0.45) 
and indicated that benthic  N2-N fluxes were associ-
ated with changes in temperature, dissolved inorganic 
N, sediment oxygen demand, and sediment carbon:N 
ratios. Ammonium and P flux from sediments were 
substantial across all habitats and internal N regen-
eration far outpaced removal from the system by sedi-
ment  N2-N flux. Results indicate that nutrient release 
from sediments generate internal nutrient loads pro-
portional to external loading from the watershed. Our 
results highlight the significant potential for internal 
nutrient loading and benthic  N2 fixation within sedi-
ments to regulate biogeochemical processes within 
understudied oxbow lake ecosystems.

Keywords Nitrogen · Argon · MIMS · Agricultural 
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Introduction

Oxbow lakes, formed by river meanders, are often 
embedded in heavily modified agricultural landscapes 
such as the Mississippi Alluvial Plain (MAP), where 
they can play a significant role in nutrient processing 
as they accumulate sediments and nutrients in runoff 
and from tens to thousands of square kilometers of 

Abstract Benthic habitats in shallow oxbow lakes 
may serve as permanent nitrogen (N) sinks by facili-
tating denitrification. Oxbow sediments may also 
accumulate nutrients through uptake, deposition and 
heterotrophic  N2 fixation, and ultimately provide 
a significant internal source of N and phosphorus 
(P) through sediment release to the water column. 
To better understand nutrient source-sink dynam-
ics in oxbow lakes, we explored seasonal and habi-
tat specific patterns in sediment dissolved dinitrogen 
gas  (N2-N) and nutrient flux within an oxbow in the 
Mississippi Alluvial Plain. Time series models indi-
cate a higher probability of positive  N2-N fluxes 
in fall through spring, significant negative summer 
fluxes, and clear differences among habitats with net 
annual  N2-N fluxes, ranging from − 2.34 g   m−2  Y−1 
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adjacent agricultural land (Schilling et al. 2019; Wren 
et al. 2019). Understanding their importance in nutri-
ent cycles may be key to developing sound manage-
ment strategies that promote agricultural production, 
wildlife habitat, and water quality improvements in 
intensively farmed areas. The MAP is an ideal region 
in which to evaluate their influence due to the over-
lapping intensity of agriculture and density of oxbow 
lakes (Locke et al. 2010).

Oxbow lake sediments may be an important regu-
lator of benthic dinitrogen gas  (N2) flux by serving as 
sites of different N cycling processes including deni-
trification, anammox (anaerobic ammonium oxida-
tion), and  N2 fixation. Denitrification is the transfor-
mation of reactive N in the form of nitrate  (NO3

−-N) 
or nitrite  (NO2

−-N), to  N2 (Knowles 1982). Condi-
tions within lake sediments may support denitrifica-
tion or anammox, an alternate pathway that facili-
tates the direct conversion of fixed N as ammonium 
 (NH4

+-N) to  N2 in aquatic ecosystems (Wenk et  al. 
2013). Together, denitrification and anammox both 
potentially contribute to the conversion of reactive 
and fixed N to  N2 and overall N loss from benthic 
sediments to the atmosphere. In contrast,  N2 fixa-
tion pulls  N2 into lake ecosystems and converts it to 
organic  NH4

+-N. This process primarily occurs in 
cyanobacteria in lakes but can also occur in benthic 
sediments (Fulweiler et  al. 2013) facilitated by het-
erotrophic, chemolithotrophic, chemoorganotrophic 
bacteria and archaea (Yao et  al. 2018). The relative 
contributions of these three processes (denitrification 
and anammox vs.  N2 fixation) dictate net positive or 
negative  N2-N fluxes with positive fluxes representing 
net sinks and negative fluxes representing net sources 
of bioavailable N to oxbow lake sediments.

The relative roles of denitrification, anammox, and 
 N2 fixation in contributing to benthic  N2-N flux are 
affected by multiple factors including  NO3

−-N avail-
ability, oxygen, pH, temperature, and organic carbon 
(Knowles 1982; McCarthy et al. 2016). Spatiotempo-
ral variability in these factors in agricultural water-
sheds makes elucidating patterns in  N2 fluxes chal-
lenging because periods of significant flux may occur 
during short moments and within specific habitats. 
For example, temporal influences resulting in positive 
 N2-N fluxes including  NO3

−-N availability and dis-
solved organic (DOC) source, lability, and availability 
can range from short term pulses such as storm events 
(hours) to interannual variation (years) (Mengistu 

et al. 2013) based on hydrologically linked seasonal-
ity of crop management practices (Royer et al. 2004; 
Royer and David 2005; Lizotte et  al. 2017; Taylor 
et al. 2019). Moreover, sources of organic C are often 
spatially heterogeneous and can be transported across 
the landscape following preferential flow paths (Hill 
et  al. 1999; Buttle and McDonald 2002; Lehmann 
et  al. 2007). Heterogeneity across the landscape can 
enable proportionally small areas of land to contrib-
ute enough organic C to fuel nearly all of denitrifi-
cation fluxes within receiving waterbodies (Duncan 
et al. 2013).

Spatial patterns in available organic C and its 
effect on  O2 dynamics and N cycling processes are 
likely concentrated within oxbow lakes where the 
stage in the growing season, water column depth, 
and distance from shore mediate gradients of con-
trolling factors. Nearshore littoral environment often 
supports submerged and emergent aquatic vegetation 
(Doi 2009), as well as flooded timber such as bald 
cypress (Taxodium distichum) and tupelo (spp) which 
contribute organic matter (OM) directly via litterfall 
or indirectly by trapping allochthonous materials 
in the nearshore zone of oxbow lakes (Lizotte et  al. 
2017). Furthermore, as light intensity decreases with 
depth, the influence of autochthonous contributions 
from aquatic shoreline vegetation and allochthonous 
contributions from nearby agricultural fields also 
decrease (Doi 2009). The influence of habitat zones 
on OM availability is particularly relevant for oxbow 
lakes within the MAP, which can be classified as dis-
continuous polymictic systems with weak short-term 
thermal stratification in late summer (Lizotte et  al. 
2017). Organic rich shoreline and cypress habitat 
zones can be quite narrow in oxbow lakes, requir-
ing the deepest parts of the lake to potentially rely on 
autochthonous production to generate the OM and N 
necessary for denitrification during summer (Yoshii 
et  al. 1999). Additionally, oxbow lakes and other 
small water bodies often represent discontinuities in 
size gradients embedded within drainage networks, 
potentially increasing residence time which may 
influence denitrification, anammox and  N2 fixation by 
increasing processing efficiency (Harrison et al. 2009; 
Cheng and Basu 2017; Lizotte et al. 2017).

Despite the potential to provide ecosystem services 
by removing excess N through enhancing positive  N2 
fluxes from sediments, oxbow lakes have agricultural 
histories that can lead to storage of legacy nutrients 
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in lake sediments which, combined with inputs 
via  N2 fixation, may maintain eutrophic conditions 
(Van Meter et al. 2016; Moriasi et al. 2020). Legacy 
nutrients increase the potential for oxbow lakes to 
provide ecosystem disservices through long-term 
release of N and phosphorus (P) from sediments, i.e., 
internal nutrient loading, creating a significant chal-
lenge to resource managers due to time lags between 
implementation of management practices to reduce 
eutrophication and actual lake ecosystem responses 
(Forsberg 1989; Meals et al. 2010). Ammonium, once 
released from sediments, can fuel prodigious, produc-
tive algal blooms (Paerl et  al. 2015; Gardner et  al. 
2017). Legacy P fluxes from the sediment to the water 
column in the form of phosphate  (PO4

−3-P) can offset 
reductions in external P loads and increase available 
P to catalyze blooms during summer months, par-
ticularly in unstratified eutrophic or hypereutrophic 
shallow lakes (Welch and Cooke 2005; Burger et al. 
2008; Sharpley et al. 2013; Paerl et al. 2020).

Identifying differences across habitats and sea-
sons is important to elucidating key drivers of ben-
thic nutrient cycling within low gradient oxbow lakes 
which will enable refinement of connections between 
agricultural production activities, hydrology, and eco-
system capacity to store and process N and P. These 
relationships are often difficult to discern, and extrap-
olation of habitat-specific nutrient fluxes to manage-
ment activities can be challenging due to variability 
(Mosier et  al. 1998; Seitzinger et  al. 2006). Yet, as 
efforts to increase long-term sustainability of agricul-
ture evolve, understanding when, under what specific 
habitat conditions, and at what rates N is removed 
or accumulated via  N2-N fluxes may influence man-
agement policies that reduce impacts of agricultural 
practices. Likewise, a more complete understand-
ing of spatiotemporal patterns in sediment release 
of legacy N and P is needed to improve manage-
ment of oxbow lakes in agricultural watersheds. In 
this study, trends in dissolved gas and nutrient fluxes 
were assessed by measuring rates and potential driv-
ers between three separate habitat zones (shoreline, 
cypress, open water) and across seasons within an 
agriculturally influenced oxbow lake in the MAP. 
Dissolved nutrient and gas fluxes were measured 
during 14 separate flow-through laboratory incuba-
tions (n = 201) of sediment cores spanning 1 year. We 
hypothesized that high positive  N2-N flux rates would 
be concentrated in relatively small near shore zones 

(shoreline, cypress) during periods of low productiv-
ity and high dissolved inorganic N (DIN) availability 
(winter/spring) and overall patterns would demon-
strate that oxbow lakes serve as N sinks in the MAP 
due to their polymictic structure, ability to store and 
trap C, relatively long hydraulic residence time, and 
high N inputs. Alternatively, we hypothesized that 
release of N and P from lake sediments would result 
in net positive fluxes across all habitats, due to the 
potential for storage of legacy nutrients within oxbow 
lakes embedded within intensive agricultural water-
sheds, demonstrating that oxbow lakes are sources of 
both N and P within the MAP landscape. To test the 
broader hypotheses, we developed a model to predict 
temporal patterns in sediment  N2-N and dissolve inor-
ganic nutrient fluxes from different habitats and esti-
mate annual contributions to overall benthic nutrient 
cycling.

Methods

Field sampling

Beasley Lake is a shallow oxbow lake created as a 
meander cutoff of the Sunflower River sometime prior 
to 1940 within the MAP (USGS 2016). The lake has 
a relatively long residence time (87 day; Lizotte et al. 
2017). It is polymictic with weak short-term stratifi-
cation and eutrophic to hypereutrophic with chloro-
phyll a concentrations frequently exceeding 25 μg  L−1 
during the summer (Locke et  al. 2008). Vegetation 
around the lake is comprised of alligator weed [Alter-
nananthera philoxeroides (Mart.) Griseb.], duckweed 
(Lemna sp.), and bald cypress trees (Taxodium dis-
tichum) which occur primarily along the shorelines 
and in the littoral zone; no submerged or floating 
macrophytes occur at depth (Lizotte et al. 2017). The 
625 ha watershed is comprised of 150 ha of nonarable 
riparian wetland containing a mixture of bottomland 
hardwood and herbaceous wetland vegetation as well 
as 339 ha composed of arable land primarily planted 
to cotton (Gossypium hirsutum L.), soybeans [Gly-
cine max (L.) Merr.], corn (Zea mays L.), and milo 
[Sorghum bicolor (L.) Moench]. During the time of 
this study, soy was the only crop planted. Beasley 
Lake watershed was first established as a research 
site in 1995 as part of the Mississippi Delta Man-
agement Systems Evaluation Area to evaluate Best 
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Management Practices (BMPs; Locke 2004). Later in 
2003, the Lake was designated as one of 14 United 
States Department of Agriculture (USDA)– Agricul-
tural Research Service (ARS) Conservation Effects 
Assessment Project (CEAP) watersheds for contin-
ued long-term assessment of BMPs and in 2014 was 
incorporated as a long-term agroecosystem research 
(LTAR) watershed research site (Lizotte et al. 2017).

We used flow-through laboratory incubations of 
intact sediment cores to evaluate net  N2-N fluxes 
using MIMS which provides direct and accurate 
measurements of  N2-N flux (Grantz et al. 2012). Due 
to the high frequency and spatial coverage of sedi-
ment coring events, we did not specifically measure 
any of the processes contributing to net  N2-N flux 
rates within our core incubations. Instead, we present 
net fluxes which we acknowledge ignores the balance 
of competing denitrification, anammox, and  N2 fixa-
tion processes (McCarthy et  al. 2016; Newell et  al. 
2016a). While some functional detail is lost, focusing 
on net fluxes still provides important information on 
source-sink dynamics of N related to  N2 flux within 
our system. To measure net  N2-N fluxes in Beasley 
Lake sediments, sediment cores (n = 201) were col-
lected on a biweekly to monthly basis from April 
2017 through March 2018 at 5 transects: Transect 1 
(33° 24′ 11.72″ N, 90° 40′ 13.47″ W), Transect 1B 
(33° 24′ 3.66″ N, 90° 40′ 21.75″ W), Transect 2 (33° 
23′ 54.94″ N, 90° 40′ 33.73″ W), Transect 2B (33° 
23′ 48.98″ N, 90° 40′ 49.73″ W), Transect 3 (33° 
23′ 48.6″ N, 90° 41′ 1.2″ W). Three cores were col-
lected per transect, one for each of the three habitat 
types within the lake (shoreline, average 0.6 ± 0.03 m 
(μ ± SE) in depth; cypress, average 1.2 ± 0.08  m 
in depth; and open water, average 2.4 ± 0.13  m in 
depth). Intact benthic sediment cores were collected 
from the lake bottom along the transect using a man-
ual corer consisting of a pvc pipe, a ball valve, and 
an attachment for holding acrylic coring tubes (sur-
face area = 40.6  cm2, height = 30–45 cm). The coring 
set up is designed to extract cores from shallow lakes 
while maintaining an undisturbed sediment water 
interface. Each intact core had approximately 12.3 cm 
of overlying water (500 ml volume). Sediment depths 
were approximately 18 cm for shoreline and cypress 
habitats and 33  cm for open water habitats. Open 
water habitats required deeper coring depths to obtain 
intact sediment cores. Previous studies have demon-
strated that the bulk of sediment nutrient processing 

occurs in shallow sediments (less than 5 cm) due to 
shallow diffusive boundary layers in littoral sediments 
(Lorke et al. 2003; Inwood et al. 2007) so effects of 
sediment coring depth on results should be minimal 
(though see Stelzer et  al. 2011). Lake water (40 L) 
from each habitat type (shoreline, cypress, and open 
water) was collected and filtered using a canister filter 
(1μm) into carboys. We used filtered water for incu-
bations to attribute nutrient and dissolved gas fluxes 
to benthic processes by excluding microbial activity 
in the overlying water column and inflow water stor-
age containers as much as possible (Miller-Way and 
Twilley 1996; Fulweiler et  al. 2007; Larson et  al. 
2020; Li et al. 2021). Cores were capped on both ends 
and then transported along with carboys on ice to 
the USDA-ARS National Sedimentation Laboratory 
(NSL) in Oxford, Mississippi. Additionally, biweekly 
lake water quality samples (1 L removed 5 cm from 
the water surface) were collected at Transect 1, 2, and 
3 (sensu Lizotte et  al. 2017). Water quality samples 
were immediately chilled on wet ice (4 °C) and trans-
ported to the USDA–ARS NSL, Oxford, Mississippi, 
for processing and analyses using standard methods 
(APHA 2005).

Laboratory incubations

In the laboratory, upper core caps were removed, and 
the cores were resealed with custom laser cut clear 
acrylic tops (Ridout Plastics, San Diego, Califor-
nia) attached with rubber 7.62 cm pvc pipe couplers 
(Pipeconx, Evansville, Indiana) for an airtight fit 
(Nifong et al. 2019). The tops were made with ports 
to connect Teflon™ tubing for inflow (American 
Wire Gauge (AWG) 20, 0.86 mm) and outflow (AWG 
14, 1.63 mm) paths. Inflow tubing extended into the 
core just above the sediment–water interface while 
outflow tubing was flush with the core top on the 
interior of the core. During each sampling event, one 
control core (a 12.3 cm core lacking sediment, n = 3) 
was set up for each habitat type to account for poten-
tial physical effects related to a reaction with the core 
chamber materials.

Cores were incubated within a temperature-con-
trolled environmental room (Model # MRW77810-
CR; NOR-LAKE Scientific, Hudson, Wisconsin) set 
to average lake water temperature during sampling 
to reflect field conditions at core collection (Online 
Resource 1). Incubations were conducted in the dark 
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to prevent photosynthesis and oxygen bubble produc-
tion, which can confound dissolved  N2 gas measure-
ments in closed-core systems (Kana et al. 1994; Gard-
ner et al. 2006). Diurnal light–dark cycles can affect 
benthic processes; however, in Beasley Lake, shallow 
shoreline sites represent the only habitat where some 
light may reach sediments due to significant turbid-
ity. Light penetration to the sediments is only likely 
to occur as secchi depths increase in late summer; 
yet during this time shoreline habitats are shaded by 
heavy canopy cover and phytoplankton are more con-
centrated reducing secchi depth 15 cm for every 1 m 
of decreased depth in agricultural lakes in the region 
(Henderson et  al. 2021). Performing incubations in 
the dark should have minimal influence on interpreta-
tion of our results. Incubation water was equilibrated 
with the atmosphere using aeration stones and was 
pumped into cores at an average rate of 1.4 mL  min−1 
using a set of MV peristaltic pumps (Model # 7332-
00; ISMATEC, Wertheim, Germany) for a residence 
time of just under 6 h.

Cores were allowed to flow continuously prior to 
sampling triplicate influent samples from each carboy 
and triplicate effluent samples from each core for dis-
solved gases and nutrients during three separate sam-
pling times (24  h, 36  h, and 42  h post set up) over 
a three-day incubation period. For gas sampling, we 
filled 12 mL Exetainer® vials (Labco Limited, Lam-
peter, Wales) with core effluent water and allowed 
them to overflow three times prior to preservation 
with  ZnCl2 (50% w:v). Vials were then sealed with 
caps with a chlorobutyl rubber septum. Dissolved 
gas samples were stored upside down in refriger-
ated, water-filled containers to prevent additional gas 
exchange until analysis. Filtered (0.45  μm) influent 
and effluent samples were also collected to determine 
dissolved  NO3

−-N,  NH4
+-N, and  PO4

−3-P concentra-
tions. All dissolved nutrient samples were frozen after 
collection until analysis (see below).

Water sample analysis

We sampled for water quality every 2  weeks for a 
total of 25 sampling events. Samples were charac-
terized for dissolved and total nutrients, suspended 
sediments, as well as total suspended solids (TSS), 
alkalinity, hardness, turbidity, and chlorophyll a. 
Cadmium reduction and molybdate methods, fol-
lowing a micro-Kjeldahl block digestion, were used 

to analyze total Kjeldahl N (TKN) and total P (TP). 
Dissolved  NH4

+-N,  NO3
−-N, and  PO4

−3-P concen-
trations for surface water grab samples and sedi-
ment core incubation samples were determined after 
filtration (0.45  μm) using the phenolate, Cd reduc-
tion, and molybdate methods, respectively. All nutri-
ent analyses were run on a Lachat QuickChem 8500 
Series auto analyzer (Lachat Instruments, Loveland, 
Colorado). DOC of filtered samples (0.45  μm) was 
also measured using an Apollo 9000 Combustion 
TOC analyzer (Teledyne Tekmar, Mason, Ohio). 
Additional analytes, including suspended solids, were 
measured according to standard methods (APHA 
2005).

MIMS analysis

Dissolved gas samples from cores and microcosms 
were analyzed for  N2 to argon ratios  (N2:Ar) and 
 O2 to argon ratios  (O2:Ar) using a Membrane Inlet 
Mass Spectrometer (MIMS) equipped with a Pfeiffer 
Prismaplus QME 220 mass spectrometer (Pfeiffer, 
Asslar, Germany) and a Bay Instruments S-25-75D 
membrane inlet (Bay Instruments, Easton, Maryland) 
(Kana et  al.1994). A solubility standard of purified 
water (18 MΩ resistance; E-Pure, Barnstead Interna-
tional) was equilibrated with the atmosphere using a 
circulating water bath set to the incubation tempera-
ture (VWR International) and by continuously stir-
ring at 300 rpm (Caframo Limited) prior to analysis. 
The MIMS method assumes 100% Ar saturation, 
which varies due to temperature and salinity, but not 
due to biological production or consumption. Thus, 
biological effects on dissolved  N2 in samples can be 
separated from physical effects using the Ar signal. 
Sample  N2:Ar and  O2:Ar ratios for each sample were 
converted to  N2-N and  O2-O concentrations based 
on the following equation (Grantz et al. 2012; Taylor 
et al. 2015):

sample represents dissolved gas of the sample, DG/
Arsample is the measured dissolved gas sample sig-
nal and DG/Arstandard is the measured dissolved gas 
signal for well mixed, deionized water open to the 
atmosphere at the same temperature as the sample. 
The terms  [Ar]expected and [DG]/[Ar]expected are the 

(1)

[DG]sample =

(

DG

Arsample
× [Ar]expected

)(

[DG]∕[Ar]expected

DG∕Arstandard

)

,
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theoretical saturated concentration and ratio, respec-
tively, calculated for each in situ sample temperature 
using gas solubility tables (Weiss 1970).

Areal gas flux rates (DGflux, mg  m−2  h−1) for each 
core were calculated as

out,  [DG]in, and  [DG]control are the core chamber efflu-
ent, influent, and control chamber effluent dissolved 
gas concentrations  (N2-N,  O2) (in mg  L−1), respec-
tively; Qcore and Qcontrol are the measured flow rates 
through the core and control chambers (in L  h−1); and 
A is the core surface area (in  m2). The equation yields 
an aerial  N2-N flux and sediment oxygen demand 
(SOD) as  O2 consumption for each independent intact 
core. Positive  N2-N fluxes indicate the net removal of 
 N2 likely attributable to dominance of denitrification 
and anammox, whereas negative  N2-N fluxes indicate 
production of  N2 and likely dominance of  N2 fixation. 
The same equation was used to calculate dissolved 
nutrient fluxes for each core.

Sediment data analysis

Sediment samples were collected from the top 5 cm 
of each core to analyze differences among OM con-
tent, percent C (% C), percent N (% N), and molar 
C:N ratio. Samples were dried, ground with a 
Thomas–Wiley Intermediate Mill (Thomas Scientific, 
Swedesboro, New Jersey), dried at 50 °C to a constant 
mass, and weighed to estimate dry mass (DM). Ash-
free dry mass (AFDM) was measured by combusting 
a 250-mg subsample at 500 °C for 1 h in a Thermo 
Scientific Thermolyne muffle furnace (Thermo Fisher 
Scientific, Waltham, Massachusetts), and subtracting 
combusted material mass from DM to obtain AFDM 
(Benfield 2006). Percent OM was calculated as:

and used to convert DM to AFDM for whole cores. 
The nutrient content (% C, % N) of oven-dried 
(50 °C) material was quantified in a Vario Max CNS 

(2)
DGflux =

([DG]out − [DG]in)Qcore

A

−
([DG]control − [DG]in)Qcontrol

A

(3)

%OM =

(
[

sampleDM − sampleAFDM
]

[

(sampleDM)
]

)

× 100

elemental analyzer (Elementar, Mt Laurel, New Jer-
sey), using ground peach leaf standard (NIST SRM 
1547) to correct all elemental analyses based on 
recovery efficiencies. Molar C:N ratios were calcu-
lated using % C and % N values.

Statistical analysis

The influence of sampling date and habitat on 
sediment OM, % C, % N, and molar C:N ratio was 
assessed using linear mixed effects modeling (LME) 
which included random effects (~ 1|core). The 
restricted maximum likelihood criterion was used 
to fit all models. Assumptions of all models was 
assessed visually with normality plots (qqnorm) and 
standardized residual plots across treatments (Zuur 
et  al. 2009). If error variances differed between 
habitats and dates, this heterogeneity was incor-
porated by modeling variance separately with the 
VarIdent command (Zuur et  al. 2009). The linear 
mixed effects models were run in the nlme package 
(Pinheiro et al. 2020). All analyses were run in R (R 
Core Team 2020).

Generalized additive mixed models (GAMM) 
were used in two different forms to address our 
hypotheses. First, a simple GAMM was run to 
develop different smoothers with time for each habi-
tat type to estimate temporal patterns in sediment 
fluxes among habitats. Next, a second GAMM was 
used to specifically identify what measured water 
column and sediment factors explained significant 
variability in benthic  N2-N flux estimates across 
habitats and time. All GAMMs used a random inter-
cept to account for multiple flux estimates from 
individual cores on different field sampling dates. 
An autoregressive correlation structure (corCAR1) 
was also tested and incorporated into GAMMs to 
account for temporal autocorrelation across sam-
pling dates in the models. The mgcv package with 
the restricted maximum likelihood criterion was 
used to fit all models (Wood 2017). Akaike Infor-
mation Criterion was used to compare competing 
models of increasing complexity. Akaike weights 
(wi), which are interpreted as the weight of evidence 
that model i is the best approximating model given 
the data and all candidate models, were calculated 
for each model and used to identify models that had 
high probability of explaining the most variability 
with the least terms (Burnham and Anderson 1998). 
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Partial effects of each predictor variable on  N2-N 
flux were evaluated with effective degrees of free-
dom (edf) values and visually with partial effects 
plots. When edf = 1, relationships are linear, and 
increasing edf values indicate increasing nonlinear-
ity. For simple time series GAMMs, predicted flux 
rates through time were converted to annual flux 
rates for each habitat type by integrating predicted 
daily rates (hourly flux × 24) over time (365  days). 
This process was performed on 500 random draws 
from the posterior distributions of GAMMs fitted to 
flux data through time and across habitats to esti-
mate uncertainty in annual flux rates based on mod-
elled daily rates. The auc function was used to inte-
grate positive, negative, and net fluxes over 1  year 
for each random draw by integrating the area under 
the curve of each simulated prediction line for all 
predicted flux rates above 0, below 0, and above and 
below zero combined. The distribution of integrated 
values was used to estimate probability distributions 
for all annual fluxes. Post processing, simulated dis-
tributions, and visualization of GAMMs were con-
ducted with the gratia package (Simpson 2018).

Habitat delineations, area calculations, and whole 
lake estimates

Habitat zones including shoreline, cypress, and open 
water were delineated based on vegetation present. 

Specifically, shoreline habitat had a depth ≤ 0.66  m, 
cypress habitat had a depth > 0.66  m and ≤ 1.66  m, 
and open water habitat had a depth > 1.66  m. The 
maximum depth of Beasley Lake was measured at 
2.58 m. Maximum depth for each habitat was defined 
as the deepest depth where habitats no longer over-
lapped. Each habitat zone was delineated by reclassi-
fying a 1 m resolution bathymetric raster file based on 
specified habitat depth ranges in R (version 1.3.1093) 
using the raster package (version 3.4-13) (Hijmans 
2021). Spatial data were projected to Universal Trans-
verse Mercator Zone 15 and the area of each habitat 
zone was calculated using the area function in the 
raster package. Open water habitat represented the 
largest area at 145,489.91  m2, followed by cypress 
69,887.54  m2 and shoreline habitat 49,052  m2. The 
relative area of each habitat zone in Beasley Lake was 
multiplied by habitat-specific estimated annual flux 
rates to scale up results to habitat-weighted lake-wide 
annual net flux estimates for  N2-N,  NO3

−-N,  NH4
+-N, 

and  PO4
−3-P (Fig. 1).

Results

Seasonal patterns in water quality parameters

We observed seasonal patterns in Beasley Lake nutri-
ent and sediment concentrations with winter and 

Fig. 1  Map of study area 
by habitat type with sur-
rounding land uses
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spring characterized by high suspended sediments 
(SS) and nutrient concentrations and low chloro-
phyll a (Fig.  2). In summer, SS declined with con-
comitant increases in chlorophyll a that corresponded 
with rapid decreases in availability of  NO3

−-N and 
 PO4

−3-P that was maintained until late fall (Fig.  2). 
Total organic C remained between 5 and 10 mg  L−1 
during the sampling period except for the March 2018 
sampling date when the value spiked to near 25 mg 
 L−1 (Fig.  2a). Total Kjedahl N remained elevated 
between 0.5 and 2.0  mg  L−1 throughout the year 
(Fig. 2d). A seasonal pattern was observed in TP con-
centrations with the highest values observed in early 
to late spring and lowest values nearing zero observed 
during summer and fall (Fig. 2f).

Seasonal and habitat patterns in sediment C and N 
content

The highest sediment OM content was observed in 
shoreline habitats except for a brief period during 
July and August and again in December and Janu-
ary when sediments in cypress habitats had higher 
OM content (Fig.  3a). Open water sediments had 
the lowest OM content and were significantly differ-
ent from shoreline/cypress sediments throughout the 
study (LMM ANCOVA, F 2, 191 = 237.31, P < 0.0001; 
Fig.  3a). High values of % C were observed in all 
habitats during April and May of 2017 (Fig.  3b). 
The % C in shoreline and cypress habitats was con-
sistently 2–4 -fold higher than in open water (LMM 
ANCOVA, F 2, 189 = 418.51, P < 0.0001; Fig. 3b). Per-
cent N peaked in April and May 2017 in all habitats 
and then dropped precipitously for the remainder of 
the study period (Fig.  3c). Open water habitats also 
had significantly lower N content than shoreline and 
cypress habitats (LMM ANCOVA, F2, 191 = 197.51, 
P < 0.0001; Fig. 3c). Overall, C:N ratios of shoreline 
and cypress habitats were higher than in open water 
(LMM ANCOVA, F2, 189 = 424.25, P < 0.0001) except 
for a period during April–May of 2017 (Fig. 3d).

Seasonal and habitat patterns in benthic fluxes

Estimated SOD ranged from − 22 to − 73  mg 
 m2   h−1 and while GAMMs did not explain a large 
amount of variation in SOD through time (adj. 
R2 = 0.29), models did suggest more variation 
occurred in shoreline habitats (edf = 11.34, F = 7.76, 

P < 0.001) compared to cypress habitats (edf = 6.1, 
F = 2.65, P < 0.001), with open water (edf = 2.79, 
F = 0.91, P < 0.01) exhibiting intermediate lev-
els of variation in seasonal SOD patterns (Online 
Resource 2). There were also habitat-specific tem-
poral patterns in benthic  N2-N flux (Fig. 4a–c). All 
habitats exhibited higher probability of net posi-
tive  N2-N flux (dominated by denitrification and/
or anammox) from sediments during winter and 
spring months and periods of net negative  N2-N 
flux (dominated by  N2 fixation) during the sum-
mer, but the magnitude and duration of periods of 
net positive or negative  N2-N flux varied by habi-
tat (Fig.  4a–c). Sediments from shoreline habitats 
exhibited longer periods of positive flux rates (max 
 N2-N flux = 0.8 mg  m2  h−1) during fall, winter, and 
spring, and a comparatively short but higher magni-
tude (-1.6 mg  m2  h−1) period of negative flux during 
the summer (edf = 11.39, F = 13.61, P < 0.001, adj. 
R2 = 0.48; Fig.  4a). Periods of positive  N2-N flux 
from sediments got comparatively shorter and of 
lower magnitude, whereas the duration of negative 
 N2-N flux periods increased progressively across 
cypress (edf = 7.87, F = 7.2, P < 0.001; Fig. 4b) and 
open water habitats (edf = 4.41, F = 7.43, P < 0.001; 
Fig. 4c).

All habitats exhibited periods of negative benthic 
 NO3

−-N fluxes from sediments during spring but 
were longer in duration and of greater magnitude in 
shoreline habitats (edf = 9.51, F = 28.01, P < 0.001, 
adj. R2 = 0.58) compared to cypress (edf = 6.81, 
F = 4.16, P < 0.001) and open water (edf = 10.04, 
F = 13.60, P < 0.001) habitats. Negative fluxes of 
 NO3

−-N did not occur in any habitat from late spring 
through early winter (Fig.  4d–f), a period that cor-
responded with low  NO3

−-N availability (Fig.  2). 
Sediment release of  NH4

+-N varied seasonally but 
positive fluxes occurred across all months for shore-
line (edf = 9.17, F = 12.12, P < 0.001, adj. R2 = 0.49), 
cypress (edf = 4.86, F = 7.68, P < 0.001), and open 
water (edf = 5.43, F = 4.94, P < 0.001) habitats with 
peak  NH4

+-N release occurring in July for shore-
line (3.9  mg  m2   h−1), cypress and open water habi-
tats (both ~ 2.8  mg  m2   h−1)(Fig.  4g–i). Patterns in 
 PO4

−3-P release from sediments were also similar 
among shoreline (edf = 7.35, F = 6.08, P < 0.001, adj. 
R2 = 0.40), cypress (edf = 5.30, F = 4.73, P < 0.001) 
and open water (edf = 5.76, F = 5.01, P < 0.001) habi-
tats with peak positive fluxes occurring in June-July, 
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Fig. 2  Water quality parameters by month in open water habi-
tats. TOC represents total organic carbon, TKN represents 
Total Kjeldahl Nitrogen, and TP represents Total Phosphorus. 

Dots represent means by sampling date with bars representing 
standard error of the mean
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no flux during fall and winter, and periods of nega-
tive flux starting in February and persisting into early 
spring (Fig. 4j–l).

The best fit model used all variables across the 
three habitats, but only explained slightly more 
variation in benthic  N2-N flux (adj. R2 = 0.57) 
than a simpler model that did not include  NO3

−-N 
availability (adj. R2 = 0.54, AICc Δi < 2; Table  1). 
Despite minimal changes in variance explained, 
partial effects of individual predictor variables for 
the highest ranked model provided more insight into 
habitat specific associations (Fig. 5). Benthic  N2-N 
flux was predicted to shift from positive to nega-
tive with increasing temperature across all habi-
tats (cypress, edf = 1.00, F = 63.4, P < 0.001; open 

water, edf = 2.14, F = 33.1, P < 0.001; shoreline hab-
itats, edf = 3.52, F = 28.4, P < 0.001; Fig. 5a–c). The 
model predicted a sharp increase in benthic  N2-N 
flux at higher levels of SOD in shoreline habitats 
(edf = 4.04, F = 22.7, P < 0.001), linear increases 
with SOD in cypress habitats (edf = 1.00, F = 20.4, 
P < 0.001), but there was not a significant relation-
ship with SOD in open water habitats (P = 0.256; 
Fig.  5d–f). In shoreline habitats,  N2-N flux was 
predicted to increase at lower  NH4

+-N concentra-
tions before increasing dramatically when concen-
trations exceeded 0.12 mg  L−1 (edf = 6.86, F = 11.9, 
P < 0.001) but was not predicted to respond signifi-
cantly to increasing  NO3

−-N (P = 0.387; Fig. 5g and 
j). In cypress habitats, the model predicted benthic 

Fig. 3  Sediment core (a) 
percent organic matter, (b) 
percent carbon, (c) percent 
nitrogen, and (d) molar 
C:N ratios through time by 
habitat type. Dots repre-
sent means by habitat and 
sampling date whereas bars 
show standard error of the 
mean
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Fig. 4  GAMM predic-
tions for flux rates (mg 
 m2  h−1) by day for  N2-N 
within shoreline (a), 
cypress (b) and open water 
(c) habitats, and nutrient 
flux for  NO3

−-N (d, e, f), 
 NH4

+-N (g, h, i), and  PO4-P 
(j, k, l). Closed circles 
represent independent core 
flux measurements, open 
circles represent average 
flux for corresponding date. 
Solid black lines represent 
GAMM prediction lines and 
light grey lines represent 
uncertainty in prediction 
lines based on 500 random 
draws from the posterior 
distribution. Red dashed 
line represents flux of zero. 
Estimates were multi-
plied by 24 h to get daily 
rates and integrated over 
365 days to estimate annual 
fluxes presented in Table 2

Table 1  Top ranked GAMMs that predict significant variation in  N2-N flux

Ranking based on  AICc values for 36 competing models. s represents a coefficient for slope. Only models that received a weight 
(wi) > 0 are presented

Model Adj. R2 AIC Δi wi

N2-N flux ~ s(Temp., by = Habitat) + s(SOD, by = Habitat) + s(NH4-N, by = Habitat) + s(NO3-N, 
by = Habitat) + s(C:N molar, by = Habitat)

0.57 792.5 0.00 0.648

N2-N flux ~ s(Temp., by = Habitat) + s(SOD, by = Habitat) + s(NH4-N, by = Habitat) + s(C:N molar, 
by = Habitat)

0.54 794.2 1.71 0.275

N2-N flux ~ s(Temp.) + s(SOD) + s(NH4-N) + s(C:N molar) 0.47 798.2 5.69 0.038
N2-N flux ~ s(Temp.) + s(SOD) + s(NH4-N) + s(NO3-N) + s(C:N molar) 0.48 799.6 7.17 0.018
N2-N flux ~ s(Temp., by = Habitat) + s(SOD, by = Habitat) + s(C:N molar, by = Habitat) 0.50 800.6 8.16 0.011
N2-N flux ~ s(Temp.) + s(SOD) + s(NH4-N) + s(NO3-N) 0.47 802.9 10.42 0.004
N2-N flux ~ s(Temp.) + s(SOD) + s(NH4-N) 0.45 804.4 11.96 0.002
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 N2-N flux increases at moderate concentrations of 
both  NH4

+-N (edf = 5.74, F = 5.90, P < 0.001) and 
 NO3

−-N (edf = 2.77, F = 6.41, P < 0.001; Fig. 5h and 
k). Water column  NH4

+-N had no predictive effects 
on  N2-N flux in open water habitats (P = 0.630, 
Fig. 5i), but fluxes were predicted to shift from neg-
ative to slightly positive with increasing  NO3

−-N 
availability (edf = 1.00, F = 5.27, P = 0.022, Fig. 5l). 
Increasing sediment C:N ratios were correlated 
with increasing  N2-N fluxes in shoreline (edf = 1.00, 
F = 16.57, P < 0.001) and open water habitats 

(edf = 1.00, F = 7.87, P < 0.01), but not cypress hab-
itats (P = 0.973; Fig. 5m–o).

Estimated annual fluxes

Seasonal patterns in benthic flux rates, based on the 
integration of predicted rates from simple habitat 
specific time series GAMMs (Fig. 4), revealed large 
differences among habitat specific contributions to 
annual  N2-N flux contributions (Table  2). Positive 
net annual  N2-N fluxes (median = 0.26  g  m2  Y−1) 
were confined to shoreline habitats only, while the 
dominant habitat (open water) had large negative 

Fig. 5  GAMM results 
for  N2-N flux (mg  m2 
 h−1) across habitat types. 
Plots are partial plots of 
the smooth terms in the 
model, and the y axis is the 
intercept plus the partial 
effect of the individual 
smooths. Partial effects of 
predictor variables on  N2-N 
flux include temperature (a, 
b, c), sediment  O2 (d, e, f), 
 NH4

+-N (g, h, i),  NO3
−-N 

(j, k, l), and sediment C:N 
ratio (m, n, o) by habitat. 
The black solid lines repre-
sent the trend line and grey 
shaded area represents 95% 
confidence bands
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annual fluxes (median = − 2.34  g  m2  Y−1). Cypress 
habitats had slightly negative net annual  N2-N flux 
(median = − 0.22  g  m2  Y−1). Separately integrating 
positive and negative fluxes revealed that differences 
in net fluxes between shoreline and cypress habitats 
were driven by higher annual positive fluxes in shore-
line habitats (Table  2). Annual positive flux rates 
ranged from 0.74  g  m2  Y−1 (open water) to 2.42  g 
 m2  Y−1 (shoreline), with rates increasing by approxi-
mately 97% as habitat shifted from open water to 
cypress, and by 227% when comparing open water 
to shoreline habitats. In contrast, annual negative 
flux estimates were similar between shoreline and 
cypress habitats with overlapping probability dis-
tributions and were on average, 38% lower (1.67  g 
 m2  Y−1 and 2.17 g  m2  Y−1 for cypress and shoreline 
habitats respectively) than estimated negative flux 
rates observed in open water habitats (3.08 g  m2  Y−1; 
Table 2). Weighting rates by habitat distribution and 
extrapolating to whole lake estimates indicate Beasley 
Lake sediments accumulate 343.06 kg of N annually 
through the net effects of benthic  N2-N flux (Table 2).

Seasonal patterns in dissolved inorganic nutri-
ent fluxes integrated across time also revealed dif-
ferences in annual fluxes among habitats (Table 2). 

All habitats were net sinks for  NO3
−-N but annual 

uptake in shoreline habitat (-0.99  g  m2  Y−1) 
exceeded cypress (-0.22 g  m2  Y−1) and open water 
(-0.46  g  m2  Y−1) habitats in Beasley Lake by 78 
and 54%, respectively (Table  2). All habitats were 
also a source of  NH4

+-N over the course of a year, 
and rates were similar among cypress (12.46  g  m2 
 Y−1) and open water (12.00 g  m2  Y−1) habitats, but 
shoreline habitats (14.40  g  m2  Y−1) had 16–20% 
higher rates of annual  NH4

+-N flux from sediments 
to the water column (Table 2). After accounting for 
all DIN fluxes, we estimated Beasley Lake sedi-
ments are a source of N with shoreline, cypress and 
open water habitats contributing 13.41, 12.24 and 
11.54  g  m2  Y−1 of N to the water column. Simi-
larly, sediments across all habitats were a source 
of  PO4

−3-P to the lake annually. Estimated annual 
fluxes from shoreline (0.80  g  m2  Y−1) and open 
water (0.73 g  m2  Y−1) habitats which were on aver-
age, 42% greater than estimated annual rates from 
cypress habitats. When rates were weighted by hab-
itat area and extrapolated to whole lake estimates, 
results indicate Beasley Lake sediments are a size-
able source of N and P to the water column, only 
removing 130.86 kg  NO3

−-N  Y−1 through sediment 

Table 2  Median and 95% confidence intervals for annual benthic fluxes from Beasley Lake sediments calculated from cores (g  m−2 
 Y−1) and whole lake extrapolated fluxes (kg  Y−1)

Positive net fluxes for  N2-N represent removal of N from the lake; negative net fluxes for  NO3
−-N also represent removal. Con-

versely, positive net fluxes for  NH4
+-N represent contribution of N to Beasley Lake

Habitat Flux ( +) Flux ( −) Net flux Whole lake

N2-N
Shoreline 2.42 (1.98, 2.89)  − 2.17 (− 2.57, − 1.83) 0.26 (− 1.75, 0.70) 12.75 (− 85.84, 34.34)
Cypress 1.46 (1.14, 1.78)  − 1.67 (− 2.16, − 1.23)  − 0.22 (− 0.63, 0.16)  − 15.37 (− 44.03, 11.18)
Open water 0.74 (0.42, 1.06)  − 3.08 (− 3.50, − 2.68)  − 2.34 (− 2.65, − 2.05)  − 340.44(− 385.55, − 298.25)
NO3-N
Shoreline 0.17 (0.10, 0.28)  − 1.16 (− 1.29, − 1.06)  − 0.99 (− 1.13, − 0.85)  − 48.56 (− 55.43, − 41.69)
Cypress 0.19 (0.11, 0.32)  − 0.42 (− 0.54, − 0.32)  − 0.22 (− 0.35, − 0.11)  − 15.37 (− 24.46, − 7.69)
Open water 0.20 (0.12, 0.29)  − 0.65 (− 0.81, − 0.55)  − 0.46 (− 0.59, − 0.34)  − 66.92 (− 85.84, − 49.47)
NH4-N
Shoreline 14.40 (13.69, 15.10) 0.00 (− 0.10, 0.00) 14.40 (13.69, 15.10) 706.35 (671.53, 740.69)
Cypress 12.46 (11.86, 13.06) 0.00 (0.00, 0.00) 12.46 (11.86, 13.06) 870.80 (828.89, 912.73)
Open water 12.00 (11.42, 12.49) 0.00 (0.00, 0.00) 12.00 (11.42, 12.49) 1745.88 (1661.49, 1817.17)
PO4-P
Shoreline 0.91 (0.78, 1.06)  − 0.12 (− 0.21, − 0.05) 0.80 (0.66, 0.94) 39.24 (32.37, 46.11)
Cypress 0.71 (0.57, 0.87)  − 0.17 (− 0.29, − 0.08) 0.54 (0.41, 0.66) 37.74 (28.65, 46.13)
Open water 0.85 (0.69, 0.99)  − 0.12 (− 0.21, − 0.04) 0.73 (0.60, 0.84) 106.21 (87.29, 122.21)
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uptake while releasing 3323.03  kg of  NH4
+-N and 

183.19 kg of  PO4
−3-P annually (Table 2).

Discussion

Our results demonstrate significant spatial and tem-
poral variability in sediment nutrient fluxes in Bea-
sley Lake. Sediment  N2-N flux indicated that  N2 
losses from the lake were highest during the winter 
and spring when  NO3

−-N availability was greatest, 
particularly in shoreline habitats. However, fluxes 
of  N2-N from the water column and incorporation 
into sediments during the summer balanced or in 
some cases exceeded  N2 losses during the winter and 
spring. This has been observed in other lakes where 
algal bloom-fueled N deposition has been found to 
favor internal recycling over denitrification driven  N2 
losses (Yao et al. 2018; Albert et al. 2021). In addi-
tion to algal N deposition, heterotrophic bacteria can 
opportunistically fix  N2 when the energetic costs of 
fixation are lowered in sediments (Yao et  al. 2018). 
Our annual  N2-N flux estimates weighted by habi-
tat area indicate that  N2-N exchange is a net source 
of atmospheric N to Beasley Lake sediments and the 
balance of sediment  NO3

−-N uptake in the spring and 
 NH4

+-N release peaking in the summer suggest that 
sediments are an important site for recycling sources 
of allochthonous and autochthonous N to the water 
column. Likewise, Beasley Lake sediments also 
served as an internal net source of dissolved P to the 
water column. Taken together, our results suggest that 
internal mechanisms occurring in sediments can be 
a significant source of inorganic nutrients to oxbow 
lakes that is on the same order of magnitude as run-
off-generated nutrient inputs from agricultural water-
sheds within the study region. Management practices 
designed to reduce eutrophication in shallow oxbow 
lakes need to account for a legacy of agricultural 
inputs that may impact N and P availability during 
algal bloom conditions indirectly through influencing 
 N2 fixation and directly through sediment release.

Drivers of  N2-N flux in Beasley Lake

In this study, our flow-through sediment core incuba-
tions were designed to measure overall  N2 produc-
tion and therefore only provide information on “net” 
denitrification. Net denitrification is the difference 

between gross denitrification plus other  N2 produc-
ing processes (coupled nitrification–denitrification, 
anammox) and gross N fixation (Groffman et  al. 
2006). More in-depth incubation techniques relying 
on recent iterations of the isotope pairing technique 
(IPT) or 30N2 incubations, combined with modelling 
can help quantify the specific roles of different pro-
cesses driving  N2-N fluxes from benthic sediments 
(Groffman et  al. 2006; Trimmer et  al. 2006; Crowe 
et al. 2012; Newell et al. 2016b). Denitrification is an 
important component of N removal in lakes (Saun-
ders and Kalff 2001) that is influenced not only by 
the abundance of denitrifying bacteria but also phys-
icochemical rate-limiting factors including the avail-
ability and quality of OM, oxidation status, available 
N, light, temperature, pH (Knowles 1982; Seitzinger 
1988; Nielsen et al. 1990; Arango et al. 2007; Burgin 
and Hamilton 2007; Vymazal 2007), and longer 
hydrologic residence times (Findlay et  al. 2013). It 
is plausible to assume denitrification is the domi-
nant process during periods of high positive  N2-N 
flux across habitats, given this corresponded with 
periods of higher  NO3

−-N availability and was most 
associated with shoreline habitats where OM was 
highest. However, GAMM partial smoothers identi-
fied decreasing temperature, higher  O2 consumption, 
and higher C:N ratios as significant predictors of 
greater  N2-N flux in edge habitats but did not iden-
tify  NO3

−-N as a significant predictor. Denitrification 
typically peaks during summer if not limited by N 
availability (Pina-Ochoa and Álvarez-Cobelas 2006; 
David et al. 2006) but high rates can also occur dur-
ing winter when N is most available if temperature 
is not limiting (Arango and Tank 2008). Our results 
support that  N2-N flux was negatively correlated 
with temperature and positive rates occurred during 
cooler months. This is likely because periods of high 
temperature also correspond with periods of high 
demand and plausible N limitation or could indicate 
that annamox contributes significantly to  N2-N flux in 
our system. Land–water interfaces can be hotspots of 
anammox activity (Zhu et al. 2013) and within shore-
line habitat zones examined in this study,  N2-N flux 
was predicted to increase dramatically when  NH4

+-N 
exceeded 0.1  mg  L−1, which corresponds with peri-
ods of peak  N2-N flux in spring. Anammox activ-
ity also declines at temperatures above 25 °C which 
may explain the lack of positive  N2 flux despite high 
 NH4

+-N fluxes from sediments during the summer 
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(Tan et  al. 2020). We cannot rule out that higher 
 N2-N fluxes in edge habitats during the spring may 
have been driven or at least influenced by anammox. 
Regardless of the particular pathway, our results 
demonstrate  N2 loss from Beasley Lake is primarily 
restricted to lake edge habitats and limited to periods 
of high inorganic N availability.

Despite specific periods of positive  N2-N fluxes 
within discrete habitats, negative  N2-N fluxes were 
the dominant pattern both spatially and temporally 
within Beasley Lake. Negative  N2-N fluxes can indi-
cate that  N2 fixation, the process by which  N2 is con-
verted to  NH4

+-N, is exceeding both denitrification 
and anammox in benthic sediments (Fulweiler et  al. 
2013). Negative  N2-N fluxes dominated in this study, 
ranging from − 0.02 to − 1.86 mg  m−2  h−1, and rep-
resent the low end of previously reported negative 
fluxes from freshwater environments using similar 
methods (Scott et al. 2008; Grantz et al. 2012). Estu-
arine studies using similar methods have reported 
even higher negative fluxes ranging from − 9.1 to 
− 11.28 mg  m−2  h−1, indicating  N2 fixation can be an 
important contributor to ecosystem N cycling (Ful-
weiler et  al. 2007; Viellard and Fulweiler 2012).  N2 
fixation was not directly measured in this study; how-
ever, low  NO3

−-N conditions and net  N2 consump-
tion support the role of  N2 fixation in contributing 
to patterns of  N2-N flux in Beasley Lake. Free living 
cyanobacteria are primarily responsible for  N2 fixa-
tion in lakes, but bacteria with nifH (a gene associated 
with  N2 fixation) are ubiquitous in benthic environ-
ments, indicating high probabilities for sediment  N2 
fixation in aquatic ecosystems (Newell et al. 2016b). 
Given the low light environment of benthic zones 
in eutrophic lakes, fixation in these environments is 
likely facilitated by heterotrophic, chemolithotrophic, 
chemoorganotrohic bacteria and archaea, particularly 
as anoxia in the top layer of sediments reduces the 
energetic costs of  N2 fixation (Beman et al. 2012; Yao 
et  al. 2018). Recent studies have demonstrated that 
dissolved inorganic N-enriched environments such as 
eutrophic lakes do not necessarily inhibit  N2 fixation; 
instead, factors that explained fluxes in our study, 
including temperature, organic C, and oxygen, may 
regulate patterns of  N2 fixation in benthic sediments 
(Knapp 2012; Bertics et  al. 2013; McCarthy et  al. 
2016; Newell et al. 2016a).

N2-N flux rates within Beasley Lake range 
from net negative (-1.86) to net positive fluxes 

(2.35  mg   m−2   h−1) across all habitats (Fig.  4a–c). 
Other oxbow lake studies report ranges of 0.101 
to 0.18 mg   m−2   h−1 (Harrison et al. 2012) and rates 
from an agriculturally influenced lake study ranged 
between 0.036 and 2.46  mg   m−2   h−1 (Bruesewitz 
et  al. 2011). Compared to estimates from a fresh-
water marsh complex, positive rates in Beasley 
Lake were similar (2.35 vs. 2.58  mg  N   m−2   h−1, 
Scott et  al. 2008) while negative rates, presum-
ably driven by  N2 fixation, were lower (− 1.86 vs. 
− 3.78 mg N   m−2   h−1, Scott et al. 2008). Ullah and 
Faulkner (2006) recorded denitrification rates of up to 
0.2096 mg N  m−2  h−1 in agricultural fields and 1.062 
mg N  m−2  h−1 in forested wetlands within the Beasley 
Lake watershed. Other freshwater wetland systems 
have reported average rates of up to 2.5 mg  m−2  h−1 
(Poe et al. 2003). When compared to previously pub-
lished rates, our observed rates represent a similar 
magnitude and range of net  N2-N fluxes compared to 
studies that employed seasonal sampling. Seasonal 
shifts between periods of light limitation by high SS 
and DIN availability in winter and spring, and periods 
of high chlorophyll a, and low DIN availability dur-
ing summer and fall (Lizotte et al. 2014, 2017; Wren 
et al. 2019), as well as strong partitioning of factors 
controlling  N2-N flux among discrete habitats, drive 
the wide variety of  N2-N flux rates observed in this 
study and suggest that Beasley Lake is dynamic in its 
N processing capacity.

Role of internal loading from sediments in Beasley 
Lake

Release of N and P from lake sediments are often 
coupled, particularly in shallow eutrophic lakes, with 
nutrient release driven by interrelated factors includ-
ing the prevalence and duration of anoxic conditions, 
temperature, and stratification status (Katsev et  al. 
2006; Li et al. 2016; Gibbons and Bridgeman 2020). 
In warmer months, thermal stratification prevents the 
physical mixing of oxygenated surface water with 
bottom water resulting in anoxic benthic conditions 
which can be exacerbated by seasonal and global 
change (North et al. 2014; Kraemer et al. 2015). Bea-
sley temperatures were similar among habitats for a 
given sampling date but varied substantially through 
seasons (Online Resource 1). Elevated temperatures 
can stimulate fluxes by increasing mineralization and 
diffusion rates as well as lowering of redox potential 
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via increased microbial activity (Katsev et  al. 2006; 
Anthony and Lewis 2012; Small et  al. 2014). This 
study observed negative  NO3

−-N flux rates dur-
ing periods of elevated  NO3

−-N concentrations and 
no flux during periods of low  NO3

−-N availability, 
similar to reports from lakes with episodic nutri-
ent delivery where sediment nutrient recycling can 
drive productivity (Fig. 4d–f; McCarthy et  al. 2007; 
2016). Nitrate fluxes may also be evidence of dis-
similatory nitrate reduction to ammonium (DNRA) 
which has been found to dominate in relatively high 
labile C, low  NO3

−-N systems (Tiedje 1988). The 
balance between DNRA and denitrification can also 
be influenced by oxidation state with anoxic condi-
tions favoring obligate anaerobes involved in DNRA 
over facultative aerobic denitrifiers (Matheson et  al. 
2002). It is plausible that a portion of the  NO3

−-N 
uptake observed in our study could be associated 
with DNRA given that we observed  NH4

+-N fluxes 
throughout the study. However,  NH4

+-N fluxes can 
also occur through the direct mineralization of OM. 
We observed positive fluxes throughout the study, but 
 NH4

+-N fluxes peaked (> 4  mg  N   m−2   h−1) in July 
when temperature and SOD were greatest, similar to 
other peak fluxes observed in Mississippi River Basin 
(3.90  mg  N   m−2   h−1; Li et  al. 2020). Peak  NH4

+-N 
flux rates also corresponded with a period after chlo-
rophyll a had peaked and was declining and repre-
sented a period of high OM deposition (Wren et  al. 
2019). Experimental additions of seston to lake sedi-
ments demonstrate that seston deposition stimulates 
SOD,  NH4

+-N, and P fluxes by providing a source 
of organic N and P for mineralization (Østergaard 
and Jensen 1992). James (2010) measured  NH4

+-N 
fluxes under anoxic conditions of 2.34 mg N  m−2  h−1 
in lake complexes of the Upper Mississippi River 
Basin consistent with rates observed in this study 
during spring and late fall. P fluxes in a Delta oxbow 
lake reached up to 4.0  mg   m−2   h−1 (Evans et  al. 
2021). In this study, maximum flux rates for P were 
2.97  mg P  m−2   h−1 which is consistent with previ-
ously reported rates for eutrophic reservoir sediments 
incubated under aerobic conditions (1.03 to 4  mg; 
Haggard et  al. 2005; Haggard and Soerens 2006), 
lower than reports for anerobic conditions (4.4 to 
15 mg P  m−2  h−1; Haggard et al. 2005; Haggard and 
Soerens 2006) but much higher than rates observed 
in less directly impacted lakes (0.07  mg P  m−2   h−1; 
Sen et al. 2007). Song and Burgin (2017) demonstrate 

that eutrophication can amplify biological control 
of internal phosphorus loading in agricultural lakes 
because P loading in hypereutrophic lakes may be 
stimulated by organic matter breakdown and extra-
cellular enzyme activity under aerobic conditions in 
addition to anaerobic Fe–P release. While more work 
on the specific controls of P release from oxbow lake 
sediments is needed, this study demonstrates that 
sediment P fluxes were positive across all habitats 
(Fig. 4), supporting the role of internal P loading in 
sustaining eutrophic conditions in agriculturally influ-
enced oxbow lakes.

In Beasley Lake, external nutrient supply varies 
over the course of a year with lower runoff inputs in 
summer compared to fall, winter, and spring (Locke 
et  al. 2020). Beginning in the fall, as precipitation 
increases, rising nutrient levels are observed (Fig. 2) 
which may contribute to the peak positive  N2-N flux 
rates observed in all habitats (Fig.  4 b). Following 
the fall and winter periods, precipitous reductions in 
 PO4

−3-P, TP, and  NO3
−-N are also observed at the 

beginning of summer (June; Fig.  2a, c, d). Previous 
studies in other systems indicate increasing chloro-
phyll a levels are associated with non-limiting N and 
P conditions and initiate subsequent internal cycling 
of coupled nitrification and denitrification (Reynolds 
1998, 1999; An and Joye 2001; Chorus and Spijker-
man 2021). Rising chlorophyll a levels coupled with 
observed declines in dissolved inorganic nutrients in 
Beasley Lake, during early summer signal the ini-
tiation of a period of internal nutrient release and 
cycling (Fig. 2). Multidimensional numerical models 
applied to a nearby Delta oxbow identified internal 
sediment fluxes as important drivers of chlorophyll a 
in these systems (Chao et  al. 2006; 2010) and Hag-
gard et  al. (2005) estimated that internal P loading 
can represent as much as 25% of the external load 
to eutrophic reservoirs in Oklahoma. An episodic, 
allochthonous nutrient pulse driven by runoff effec-
tively primes the pump for legacy nutrients to sustain 
productivity within Beasley Lake (King et al. 2017). 
Recent projections of external nutrient loads to Bea-
sley Lake estimate 2312.5 kg TN and 625 kg TP are 
added each year when planted in soybeans following 
business-as-usual management (Yasarer et  al. 2017). 
Our estimates of whole lake internal loads are rela-
tively similar (3139.84 kg N  Y−1, 183.19 kg P  Y−1). 
It is not clear whether Beasley Lake is able to pro-
cess these external loads, nor whether the lake has 
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shifted from sink to source over time. Several factors 
including climate change and crops requiring high 
fertilizer inputs are anticipated to increase external 
loading (Yasarer et al. 2017; Paerl et al. 2020), exac-
erbating eutrophication within shallow agricultural 
lakes such as Beasley Lake. Determining the age of 
sediments and associated nutrients being mineralized 
may be helpful in identifying whether BMPs are still 
effective and estimating how long legacy nutrients are 
taking to be processed in Beasley Lake (Song et  al. 
2017). Additionally, this study was conducted while 
soybean cultivation was the primary agronomic prac-
tice within the watershed. Additional information on 
oxbow lake biogeochemical cycling under the influ-
ence of different crop rotations, such as maize which 
can generate higher N runoff loads, are needed to pro-
vide more insight into the role of agricultural-influ-
enced oxbow lakes as nutrient source or sinks within 
the MAP landscape.

Conclusions

We hypothesized that oxbow lakes would serve as 
N sinks in the MAP due to their polymictic struc-
ture, ability to store and trap carbon, relatively long 
hydraulic residence time, and high N inputs. Despite 
strong potential for oxbow lakes in agricultural land-
scapes to serve as nutrient sinks, we found that annual 
internal N release rates from lake sediments can 
match or exceed expected loading of N from agricul-
tural watersheds planted in soy over a given growing 
season. Internal P loading may also contribute signifi-
cantly to maintaining eutrophic conditions in oxbow 
lakes. Our findings suggest legacy nutrients are 
cycling at rates equal in magnitude to watershed load-
ing rates which may help to explain why the imple-
mentation of BMPs has not resulted in significant 
TN reduction in the Beasley Lake Watershed (Lizotte 
et  al. 2017). With reduced external loads, rates of 
nutrient processing may change (Sas 1989; Jeppensen 
et  al. 2005). To anticipate how rates may change, a 
better understanding of the interplay between autoch-
thonous production and allochthonous inputs of OM 
production in space and through time would be a 
beneficial area of future research. Furthermore, more 
research into the extent of anoxia changes with depth 
and mixing within the lake could help to inform land 
management decisions. Our results highlight the 

significance of internal nutrient loading potential in 
regulating biogeochemical processes within under-
studied oxbow lake ecosystems. Given the prevalence 
of oxbow lakes in large river alluvial floodplain drain-
age networks, which are increasingly dominated by 
row crop agriculture globally, more research into the 
complexities of biogeochemical cycling within them 
is essential to improving management and recovery 
from eutrophication in these systems.
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