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Abstract Land-use practices can alter shallow

groundwater and salinity, further impacting green-

house gas (GHG) emissions, particularly in the

hydrologically dynamic riparian zones of wetlands.

Emissions of CO2, CH4, and N2O were estimated in

soil cores collected from two prairie pothole region

(PPR) sites with three adjacent land-use practices (i.e.,

annual crop = AC, pasture = PA, and short rotation

willow = SRW) and treated with declining water

table depths (2 to 26 cm), and salinity (S0 = control,

S1 = 6 mS cm-1, and S2 = 12 mS cm-1) in a

microcosm experiment. Land-use practices signifi-

cantly (p\ 0.001) affected GHG emissions in soils

from both sites in the order of PA[AC = SRW.

Compared to the control, emissions of CO2 and CH4

were significantly lower under higher salinity

treatments (i.e., S1 and S2), while N2O was signifi-

cantly higher (p\ 0.05). Emissions under declining

groundwater table depths were significantly

(p\ 0.001) variable and specific to each gas, indicat-

ing the impacts of shifted soil moisture regime.

Overall, the CO2 and CH4 emissions increased up to

week four and then decreased with declining water

table depths, whereas N2O emission increased up to a

maximum at week six. The soils from SRW had

considerably lower global warming potential com-

pared to AC and PA. Groundwater salinity in soils

from contrasting land-use in the PPR has significant

impacts on GHG emissions with potential for crucial

climate feedback; however, the magnitude and direc-

tion of the impacts depend on hydrology.

Responsible Editor: Brian Branfireun

Supplementary Information The online version contains
supplementary material available at https://doi.org/10.1007/
s10533-021-00818-3.

S. Shahariar (&) � R. Farrell � A. Bedard-Haughn
Department of Soil Science, College of Agriculture and

Bioresources, University of Saskatchewan, 51 Campus

Drive, Saskatoon, SK S7N 5A8, Canada

e-mail: shayeb.shahariar@usask.ca

R. Soolanayakanahally

Indian Head Research Farm, Agriculture and Agri-Food

Canada, Indian Head, SK S0G 2K0, Canada

123

Biogeochemistry (2021) 155:127–146

https://doi.org/10.1007/s10533-021-00818-3(0123456789().,-volV)( 0123456789().,-volV)

http://orcid.org/0000-0001-6559-0548
https://doi.org/10.1007/s10533-021-00818-3
https://doi.org/10.1007/s10533-021-00818-3
https://doi.org/10.1007/s10533-021-00818-3
https://doi.org/10.1007/s10533-021-00818-3
http://crossmark.crossref.org/dialog/?doi=10.1007/s10533-021-00818-3&amp;domain=pdf
https://doi.org/10.1007/s10533-021-00818-3


Graphic Abstract

Keywords Greenhouse gas (GHG) emission � Land-
use practice � Shallow groundwater table � Salinity �
Wetland soil � Prairie pothole region (PPR)

Introduction

Agroecosystem soil C and N cycling contribute

significantly to atmospheric carbon dioxide (CO2),

methane (CH4), and nitrous oxide (N2O) emissions

and, thus, global warming (IPCC 2018; Smith et al.

2008). The North American prairie pothole region

(PPR) is characterized by relatively small and highly

productive wetlands embedded within an agriculture-

dominated landscape. The PPR delivers essential

ecosystem services such as improving soil and water

quality, storing water, reducing soil erosion, and

providing habitat for wildlife, especially waterfowl

(Gleason et al. 2008). Salt dynamics within the PPR

wetlands are driven by hydrology, which cycles

seasonally and responds to land-use practice changes

(Nachshon et al. 2013). Vegetation in the riparian zone

pulls water from the soil and transfers it to the

atmosphere via transpiration (Millar 1971), resulting

in a gradual decline in the groundwater table (GWT).

In turn, a declining GWT can increase soil salinity and

deposit soluble salts at the soil surface (Arndt and

Richardson 1989). Land-use affects both the produc-

tion and consumption of GHG through its influence on

wetland soil hydrology. For instance, wetland-riparian

zones that are drained and cropped likely would have

minimal CH4 production because this practice pro-

motes aerobic conditions that do not favor methano-

genesis (Smith et al. 2003). Conversely, the same

catchment would have a higher likelihood of emitting

N2O due to a combination of N-fertilizer additions and

moist but unsaturated soil moisture conditions (David-

son et al. 2000). Hence, changes in land-use practice

can increase the potential for greenhouse gas (GHG)

emissions and diminish the capacity of PPR wetlands

to deliver ecosystem services (Gleason et al. 2009).

Land-use practice can strongly influence soil-

derived GHG emissions (Liebig et al. 2005; Schaufler

et al. 2010; Tangen et al. 2015). In general, wetlands

have a greater GHG emission potential than forest-

lands, croplands, and grasslands (Oertel et al. 2016);

however, the amount of CO2, CH4, and N2O emitted

vary depending on the type of vegetation and

environmental conditions (Kayranli et al. 2009). The

123

128 Biogeochemistry (2021) 155:127–146



production of GHG in wetlands is controlled by highly

variable abiotic factors that are themselves affected by

land-use; these include the soil moisture and ground-

water regime, the period of inundation, redox condi-

tions, and groundwater salinity (Marton et al. 2012).

The land-use practice also affects soil biological

processes that regulate GHG emissions by influencing

the composition of soil microbial and plant commu-

nities and the availability of organic substrates (Tan-

gen et al. 2015). Moreover, riparian land-use practice

affects the microclimate and soil properties that can

influence the production/consumption and GHG emis-

sion (Moore et al. 2017). Consequently, land-use

practices that affect dynamic wetland riparian zones

can significantly alter the amount of GHG released

into the atmosphere (Vidon 2010).

Land-use practice can alter soil organic carbon

(SOC) dynamics and, in turn, GHG emissions (Kooch

et al. 2016; Lang et al. 2010; Merino et al. 2004).

Agroforestry is a promising land-use practice that can

increase above- and below-ground C stocks, mitigate

N2O and CO2 emissions, and increase the CH4 sink

potential when compared to cropland; unlike cropland,

agroforestry has lower losses of aboveground biomass

via harvest and lower CO2 emissions from soil organic

matter (SOM) decomposition (Mutuo et al. 2005). One

study (Baah-Acheamfour et al. 2016) recommended

that incorporating agroforestry and grassland cover

into agricultural lands can reduce CH4 and N2O

emissions. Parmar et al. (2015) also found that ‘‘short-

rotation’’ forestry can contribute to GHG savings via

reduced soil respiration losses. Thus, establishing

perennial agroforestry systems such as short rotation

willow (SRW) in the riparian zones of PPR wetlands

may deliver GHG mitigation benefits. However, the

effects of agroforestry practices on soil N2O and CH4

emissions are poorly understood (Albrecht and Kandji

2003). It has also been suggested that SOC could be

sequestered by re-establishing permanent vegetation

(i.e., grass) in PPR wetlands (Bedard-Haughn et al.

2006). However, it is unclear how the establishment of

perennial SRW vegetation in the marginal riparian

zones of the semi-arid PPR wetlands affects GHG

emissions under dynamic soil hydrology (e.g., GWT)

and salinity.

The effects of a fluctuating GWT on GHG emis-

sions from peatlands (Berglund and Berglund 2011;

Blodau et al. 2004; Updegraff et al. 2001) and riparian

mineral wetlands (Mander et al. 2015) have been well

studied. The effects of salinity on GHG emissions

associated with a land-use change (Martin and Mose-

man-Valtierra 2015; Sheng et al. 2015), or depth to the

GWT (Ardón et al. 2018; Mander et al. 2011) have

also been studied, albeit mainly in coastal wetlands.

These studies have variable results. For instance, in

one microcosm experiment, artificial salinity treat-

ments suppressed CO2 emissions under both drought

and flooded conditions, CH4 emissions increased in

flooded conditions only, and the impacts of salinity

were conditional on hydrologic treatments for N2O

(Ardón et al. 2018). In contrast, in a tidal forest soil,

salinity inhibited CH4 production but increased CO2

and N2O emissions (Marton et al. 2012). In another

microcosm study using semi-arid cropland soil from

Australia, salinity increased N2O emissions and

reduced CO2 and CH4 emissions; however, increasing

soil moisture increased CO2, increased CH4 but only

up to 75% water-holding capacity, and had no effect

on N2O emissions (Maucieri et al. 2017). In contrast,

in the riparian zones of mineral wetlands, flooding

increased CH4 emissions, and CO2 and N2O emissions

increased as the depth to GWT decreases (Mander

et al. 2015). In constructed wetlands, CH4 emissions

were reduced, and N2O emissions amplified at high

salinity ([ 10%), whereas the CO2 emissions were

greatest at intermediate salinity, i.e., * 5% (Sheng

et al. 2015). Nevertheless, studies on the combined

effects of GWT and salinity on GHG emissions under

contrasting land-use practices within mineral wetlands

in the PPR are scarce.

Depending on various factors, wetland soils can

either be a source or sink for GHG (Beetz et al. 2013).

Examining GHG emissions under the combined

effects of fluctuating water table and salinity in the

context of contrasting land-use practices will improve

our ability to develop best management practices and

mitigation strategies while advancing agricultural

sustainability in the PPR. Therefore, the objective of

this microcosm study was to examine the effect of a

declining groundwater water table—with different

groundwater salinity levels—on GHG emissions from

riparian zone soils collected from different land-use

practices in the PPR.
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Materials and methods

Site description and collection of intact soil cores

A controlled microcosm experiment was conducted to

determine the influence of groundwater salinity and

declining water table level on soil-derived emissions

of CO2, CH4, and N2O. Soils were collected from sites

managed under three different land-use practices at

two sites in the PPR. Both sites (Site A and Site B)

were located near the Agriculture and Agri-Food

Canada Indian Head Agroforestry Development Cen-

tre at Indian Head, Saskatchewan, Canada (N 50�
30.6050; W 103� 43.0110) (Supplementary Fig. 1).

Soils at both sites were classified as Oxbow Associ-

ation, non-calcareous Black Chernozems developed

on loamy glacial till in a landscape with level to gentle

rolling (0–10% slope) topography (Saskatchewan Soil

Survey Staff 1986). The SRW treatments (Salix

dasyclados Wimm, popularly known as ‘India’) were

established in June 2013 in the marginal fallow

riparian zones at both sites. The pasture treatment

(PA) comprised of a mix of alfalfa (Medicago sativa)

and bromegrass (Bromus madritensis) that had been

established in 2001–2003. Both SRW and PA areas

were located (Supplementary Fig. 1) adjacent to the

cropped area that was seeded with oat (Avena sativa).

The soils at Site A were non-saline, with ECs

ranging from 0.6 to 1.9 mS cm-1; soils at Site B were

non- to slightly saline, with ECs ranging from 1.0 to

2.6 mS cm-1 (see Supplementary Table 1). Intact soil

cores (n = 3) were collected from each of the three

land-use treatments at Sites A and B (i.e., annual crop

[AC], pasture [PA], and short-rotation willow [SRW])

in mid-August 2015. Intact soil cores were used to

avoid the disturbance produced by sieving (Reichstein

et al. 2005). The soil cores were collected using a

truck-mounted hydraulic punch (Giddings Machine

Company Ltd., Windsor, CO, USA) fitted with

cylindrical (30-cm tall � 9-cm i.d.) PVC sleeves. Cores

were collected three years after SRW plantation (i.e.,

at the end of the first rotation cycle of SRW) to capture

land-use practice effects on soil. The overlying litter-

fibric-humic layer and grasses were removed before

collecting the soil cores from the field. All soil cores

were collected from the riparian zones. For the SRW,

all soil cores were collected within a 1-m radius of the

root zone between two planted rows. In total, 54 soil

cores (2 sites � 3 land-use practices � 9 reps) were

collected and transported in coolers to the University

of Saskatchewan, where they were preserved frozen

(at - 20 �C) until the start of the incubation study.

Additional soil cores (0–30 cm depth; 9-cm i.d.) from

each sampling location were collected and analyzed to

determine soil physical and chemical properties (see

Supplementary Table 1). Bulk density samples were

collected using a hand-held core sampler (3-cm tall �
5.4-cm i.d.).

Initial soil characterization

Soil physiochemical properties were determined

before starting the microcosm experiment. Each soil

was divided into three subsamples, which were

processed as follows: (1) one subsample was air-

dried, ground, passed through a 2-mm sieve, and

analyzed for particle size distribution, cation exchange

capacity (CEC), pH, electrical conductivity (EC), and

ammonium acetate extractable N and P; (2) the second

subsample was air-dried, finely ground with a ball

mill, and analyzed for organic- and total-C and total-

N; and (3) the third subsample was frozen until it was

analyzed for water-extractable organic carbon

(WEOC) and water-extractable organic nitrogen

(WEON). Samples collected for bulk density mea-

surement were weighed, oven-dried at 105 �C for

24 h, cooled to room temperature in a desiccator, and

reweighed. Bulk density was determined by dividing

the oven-dry weight of the soil by the volume (74.7

cm3) of the core sampler.

Soil physiochemical analyses were carried out

using the procedures described in Soil Sampling and

Methods of Analysis (Carter and Gregorich (2008).

The modified pipette method (Kroetsch and Wang

2008) was used to determine soil particle size distri-

bution. Cation exchange capacity was determined

using ammonium acetate at pH 7, followed by

colorimetric analysis using a Technicon Auto-Ana-

lyzer (Technicon Industrial Systems; Tarrytown, NY,

USA) (Hendershot et al. 2008a). Soil pH was deter-

mined in a 1:2 (w/v) soil:deionized-water suspension

using a digital pH meter (OaktonTM PC700 pH/

mV/conductivity meter; Oakton Instruments, Vernon

Hills, IL, USA) (Hendershot et al. 2008b). EC was

determined in a same extract after 1 h of shaking with

an end-over-end shaker; filtrate (No. 42, Whatman

Inc., Piscataway, NJ) was measured using a digital EC

meter (PC700 pH/mV/conductivity, Oakton, Vernon
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Hills, IL, USA) (Miller and Curtin 2008). Ammonium

(NHþ
4 ), nitrate (NO�

3 ), phosphate (PO
3�
4 ), and sulfate

(SO2�
4 ) were measured using a 1 M ammonium

acetate (buffered at pH 7) extraction followed by

colorimetric analysis for NHþ
4 , NO

�
3 , PO

3�
4 via Tech-

nicon Auto-Analyzer (Technicon Industrial Systems,

Tarrytown, NY, USA), and SO2�
4 via Microwave

Plasma-Atomic Emission Spectrometer (Model

4100, Agilent Technologies, Santa Clara, CA, USA)

(Simard 1993). Total soil carbon (TSC) and soil

organic carbon (SOC) were determined by dry com-

bustion—following HCl fumigation to remove car-

bonates—using a Leco-2000 CNS analyzer (Leco

Corporation, St. Joseph, MI, USA) (Skjemstad and

Baldock 2008). Total nitrogen (TN) was determined

using dry combustion with a Leco C632 CNS analyzer

(Leco Corporation, St. Joseph, MI, USA) (Rutherford

et al. 2008). Water extractable organic C and WEON

were determined by gently mixing defrosted soil (20±

1 g) with 30-mL of 5 mM CaCl2, filtering the

suspension through a 0.45-lm polycarbonate

Fig. 1 An individual experimental unit with intact soil core and greenhouse gas chamber used for microcosm experiment (Note:

diagram is not to scale)
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membrane filter (Whatman Inc., Piscataway, NJ,

USA), and measuring total C and N in the filtrate

using a TOC-VCPN analyzer (Shimadzu Scientific

Instruments, Kyoto, Japan) (Chantigny et al. 2008).

Experimental design

The microcosm incubation experiment was set up in

the greenhouse at the University of Saskatchewan

using a nested experimental design (Krzywinski et al.

2014; Schielzeth et al. 2013); the experiment was

conducted over nine weeks. The 54 soil cores were

arranged into following: 2 sites � 3 land-use practices �
3 groundwater salinity treatments (control = 0.3 mS

cm-1, S1 = 6 mS cm-1, and S2 = 16 mS cm-1) � 3
replicates (Supplementary Fig. 2). Each experimental

unit consisted of a 19-L plastic (PVC) bucket (38.1 cm

tall � 30.48 cm i.d.) containing a 2.5-cm thick layer of

gravel, 17-L of synthetic groundwater, and a single

intact soil core—the bottom of which was wrapped in

1-mm mesh fiberglass screen to hold the soil securely

(Fig. 1). The PVC cylinders housing the soil cores

were drilled with a uniform series of 3-mm holes,

which allowed for movement of the synthetic ground-

water into and out of the soil core.

The dominant salts present in the soil and ground-

water in the Prairie region of Canada and the northern

United States are Na2SO4, KCl, CaCl2, and MgSO4

(Last and Ginn 2005). Thus, the synthetic groundwater

treatments were prepared using a 5:2:12:14 mix of

Na2SO4:KCl: CaCl2:MgSO4 salts (by weight) in

distilled water; the quantity (g) of salts in S2 was

double that of the S1 treatment. The control (no added

salts) salinity treatment consisted of distilled water

alone. Initially, the synthetic groundwater was main-

tained level with the surface of the soil cores (Fig. 1),

with subsequent GWT drawdown achieved by man-

ually lowering the water level by 2 cm at the end of the

first week and then by 3 cm at the end of each of the

next nine weeks (Fig. 1).

The EC of the synthetic groundwater was checked

weekly to ensure that salinity remained constant. The

volumetric soil water content (VSWC) and EC of the

experimental soil cores were measured using a digital

soil moisture meter (HydroSense II, Campbell Scien-

tific Inc., Logan, UT, USA) at the time of GHG flux

measurements. The temperature of the greenhouse

chamber was maintained at 20 ± 1 �C; relative

humidity in the greenhouse ranged from 37.73 to

67.05% (average 50.33%) during the first seven weeks

of the experiment, and then from 16.05 to 43.26%

(average 29.53%) during the last three weeks of the

experiment (Supplementary Fig. 3).

GHG flux measurements

Greenhouse gas flux measurements were done using

non-vented, static (i.e., non-steady-state) chambers

(Collier et al. 2014; Rochette and Bertrand 2008)

constructed using an ABS cleanout adapter (model #

RLN105-030) and male plug (model # RLN106R-

030) fitted with a sampling port sealed using a gas-

impermeable, grey butyl rubber septum (Supelco,

USA) (see Fig. 1). Gas flux measurements were made

seven days after each GWT adjustment by attaching

the sampling chamber to the top of the cores using a

flexible coupling (model # FC-33) and sampling the

headspace atmosphere immediately after the chamber

was attached (t0) and again after 30 min (t30). The

cores remained open to the atmosphere during the

period between GWT adjustments.

Headspace gas samples were collected at t0 and t30
using a 20-mL polypropylene syringe (MonojectTM,

Luer lock fitting) fitted with a 25-gauge needle;

samples were injected immediately into pre-evacuated

12-mL Exetainer� vials (LabCo Inc., HighWycombe,

UK). Ambient air samples—used as a check on the t0
samples— were also collected on each sampling day.

The gas samples were then brought to the Prairie

Environmental Agronomy Laboratory in the Depart-

ment of Soil Science at the University of Saskatch-

ewan for analysis. The concentrations of CO2, CH4,

and N2O in each gas sample were determined using

gas chromatography (Farrell and Elliott 2008). Sample

analyses were performed using a Bruker 450 GC

(Bruker Biosciences Corporation, USA) equipped

with a thermal conductivity detector (TCD), flame

ionization detector (FID), and electron capture detec-

tor (ECD) for the detection and quantification of CO2,

CH4, and N2O, respectively. Samples were introduced

into the GC using a CombiPAL auto-sampler (CTC

Analytics AG, Switzerland); data processing was

completed using Varian Star Chromatography Work-

station (ver. 6.2) software. The GHG fluxes were

calculated from the change in concentration measured

during the 30-min chamber deployment using Eq. 1:
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F ¼ DC
V � kt
A

ð1Þ

where F is the GHG flux at time zero (mg m-2 d-1);

DC is the change in concentration (mg CO2, CH4, or

N2O L-1 min-1) measured during the 30-min deploy-

ment period; V is the volume of the chamber

headspace (0.6089 L); A is the surface area of the

soil cores (0.0064 m2); and kt is the time constant

(1440 min d-1). For the correction of potential gas

losses through leaks and sampling removal, net GHG

fluxes were calculated by subtracting the respective

blank (sample from ambient air collected at the time of

GHG sampling) values from the values for the soil

cores.

Cumulative GHG emissions for each land-use were

calculated using linear interpolation (Eq. 2) as

described in Pennock et al. (2010). This assumes that

emissions were constant both throughout the day of

the measurement and during the seven days since the

previous water table adjustment.

CF = (Fw1 � 1Þ þ (Fw2 � 7Þ þ (Fw3 � 7Þ þ (Fw4
� 7Þ þ (Fw5 � 7Þ þ (Fw6 � 7Þ þ (Fw7 � 7Þ þ (Fw8
� 7Þ þ (Fw9 � 7Þ

ð2Þ

where CF is the cumulative GHG flux (mgm-2); FW is

the daily flux rate measured at the end of each week

(weeks 1 through 9; total 57 days of incubation); 7 is

the number of days in a week. For the first week (Fw1),

the calculation only includes GHG emissions for the

day of sampling. Global warming potential (GWP) for

each land-use practice were calculated for a 100-year

time scale using conversion factors for CO2 = 1,

CH4 = 25, N2O = 298 after adjusting by mass to

obtain carbon dioxide equivalent (i.e., CO2-eq) flux

(Myhre et al. 2013; Wang et al. 2017b).

Statistical analyses

Soil GHG emission data were statistically analyzed

and visualized using R version 3.4.4 for Windows (R

Core Team 2018). The Shapiro-Wilk test and his-

togramwere used to assess the normality and Levene’s

test was used to check the homogeneity of variances

using ‘‘car’’ package. The relationships among CO2,

CH4, and N2O emissions, VSWC, EC, and initial soil

parameters were measured by Spearman rank-order

correlation and visualized using ‘‘corrplot’’ package.

Assumptions of both univariate and multivariate

analysis of variance (ANOVA) normality were ful-

filled by adding a positive constant number (? 2)

during the transformation (Logarithmic with base 10)

to manage negative CH4 and N2O values in the dataset.

Significant differences among land-use practices,

groundwater salinity treatments, and water

table depths were compared parametrically by uni-

variate ANOVA with nested design and linear mixed-

effects models (Zuur et al. 2009) using ‘‘ lmerTest.‘‘

Pairwise multiple comparison procedures (Tukey’s

HSD method) were used as a post-hoc test. The

permutation multivariate ANOVA (PERMANOVA)

and analysis of similarities (ANOSIM) were used to

assess significant differences (multivariate hypothesis

testing) in GHG emission among land-use practices,

groundwater salinity, and GWT depths. ANOSIM was

also used to calculate a matrix of dissimilarity ranks

after converting the scores to find the ratio between

within-group and between-group similarities. Uncon-

strained ordination with a non-metric multidimen-

sional scale (NMDS) was used to plot the position in

multidimensional space with a reduced number of

dimensions to visualize the difference among ground-

water salinity treatments, GWT depths, and land-use

practices. The variation partitioning analysis (VPA)

was used to determine the proportional contribution of

land-use practices, groundwater salinity, and water

table depth in the variation of GHG emissions.

Constrained ordination with redundancy analysis

(RDA) was performed to summarize the variation

explained by measured soil physiochemical charac-

teristics. The PERMANOVA, ANOSIM, NMDS,

VPA, and RDA analyses were performed using the

‘‘vegan’’ package (Oksanen et al. 2017). All differ-

ences were considered significant at p-values B 0.05

(95% confidence interval or alpha level = 0.05).

Results

Emissions of GHG in soils from contrasting land-

use practices, elevated groundwater salinity,

and declining groundwater table

The soils from PA land-use in both sites showed

significantly (p\ 0.001) higher CO2 emissions; CO2

emissions followed consistent land-use patterns in the

order of PA[AC = SRW (Table 1). Cumulative
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CO2 emissions were higher in soils from site A than

site B (Fig. 2). The CO2 emissions were significantly

(p\ 0.05) higher in the control (S0) compared to the

elevated salinity treatments (i.e., S1 and S2) across all

land-use practices from both sites (Tables 1 and 2). A

significant (p\ 0.001) difference in CO2 emissions

was observed among the depth to GWT (Table 2). The

CO2 flux initially showed an increasing trend with

declining GWT depths (i.e., weeks of measurements)

in soils across all land-use practices from both sites

and showed a decreasing trend after four weeks

(Table 1 and Supplementary Fig. 4). The mean emis-

sions of CO2 were highest (p[ 0.05) at GWT = 11-

cm (week 4) in both sites, and lowest at GWT = 26-

cm (week 9) in site A, and at GWT = 20-cm (week 7)

in site B (Tables 1 and 2).

The CH4 emissions significantly (p\ 0.001) dif-

fered among the soil from all land-use practices in both

sites (Table 2). The mean CH4 emissions were signif-

icantly higher (p\ 0.001) in soils from PA and

showed a consistent pattern among land-use practices

(PA[AC = SRW) from both sites (Table 1). Cumu-

lative CH4 emissions were relatively low and variable

between sites; emissions were negligible in site B

compared to site A (Fig. 2). Groundwater salinity

treatments (both S1 and S2) reduced CH4 emission

compared to the control (i.e., S0) in site A (p = 0.012);

however, the effect was not significant (p = 0.069) in

site B (Table 2). The CH4 flux in soils from all land-

use practices from both sites showed a slightly

increasing trend up to week four and then decreased

with a further decline in GWT depths (Table 1 and

Supplementary Fig. 4). Significantly (p\ 0.001)

higher mean CH4 emissions were observed at GWT =

11-cm (week 4) in site A and GWT = 8-cm (week 3)

at site B; CH4 emissions from both sites were lowest at

GWT = 26-cm (week 9; Tables 1 and 2).

Fig. 2 Cumulative GHG

emissions from core soils

with different groundwater

salinity treatments from

soils collected from three

land-use practices from

A site A, and B site B. Error

bar stands for standard

deviations (± SD).

GHG greenhouse gas,

S0 control, S1 6 mS cm-1,

S2 12 mS cm-1, AC annual

crop, PA pasture,

SRW short rotation willow
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The N2O emissions were significantly (p\ 0.001)

higher in soils from PA and followed a similar land-

use pattern to the other GHGs (PA[AC = SRW) for

both sites (Tables 1 and 2). The cumulative N2O

emissions were higher (p\ 0.01) under both ground-

water salinity treatments (i.e., S1 and S2) compared to

the control in soils from both sites (Tables 1 and 2).

Overall, the cumulative N2O emission was relatively

low and variable between sites; however, higher in

soils from site A than site B (Fig. 2). The lowest mean

N2O emission was observed at GWT = 2-cm (week 1)

in both sites, whereas the highest emission was at

GWT = 17-cm (week 6) in site A and GWT = 23-cm

(week 8) in site B (Tables 1 and 2).

Multivariate unconstrained ordination (NMDS

analysis) of soil GHG emission data (stress value for

site A is 0.0670, and site B is 0.0724) differed

considerably among land-use practices in both sites,

indicating the land-use practice type was a key factor

driving the variability (Fig. 3A, B, D, and E). The

NMDS ordination also showed a distinct clustering of

GHG emissions based on land-use practices in both

sites (stress values below 0.10 provide a fair repre-

sentation of data in reduced dimension), indicating a

robust land-use effect of PA soil.

The multivariate permutation analysis of variance

(PERMANOVA) test confirmed the significant differ-

ence in GHG emissions among land-use practices

(p = 0.001), salinity (p = 0.001) and depth to GWT

(p = 0.001) in both sites (Table 3). The VPA test

exhibited that the land-use practice alone has the

highest contribution to the variation of soil GHG

emissions in both sites (site A = 79.3% and site

B = 69.6%), followed by depth to GWT (i.e., mea-

surement week) and salinity treatments (Supplemen-

tary Fig. 5).

Soil physiochemical characteristics and their

relationships with GHG

Physiochemical characteristics of experimental soil

The physiochemical properties of soils used for the

microcosm experiment are presented in Table 4. No

significant differences were observed in soil physio-

chemical properties among land-use practices and

between sites except SOC, TN, and SO2�
4 content
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Fig. 3 Non-metric multidimensional scaling (NMDS) test of

soil GHG emissions visualized with land-use and groundwater

salinity treatments, land-use and groundwater table depth

treatments, and redundancy analysis (RDA) from site A (A, B,
C) and site B (D, E, F). Blue vectors indicate linear correlations
between the ordination and soil physiochemical properties.

Directions and lengths of the vectors indicate the strength of

correlations between variables and the ordination. The angles

between vectors reflect their correlations (i.e., a vector pair with

an angle of 20� have strong positive correlation as cos(20) =

0.94, and with an angle of 90� are uncorrelated as

cos(90) = 0). *,**,***Indicate there is a statistically significant

difference at p B 0.05, p B 0.01, and p B 0.001 level of

significance, respectively; ns, is not significantly different

(p[ 0.05). GHG = greenhouse gas, AC = annual crop,

PA = pasture, SRW = short rotation willow, S0 = control,

S1 = 6 mS cm-1, S2 = 12 mS cm-1, EC electrical conductiv-

ity, SOC soil organic carbon, VSWC volumetric soil water

content, TN total nitrogen

Table 3 Permutation multivariate analysis of variance (PERMANOVA) test for GHG emissions under different groundwater salinity

and water table levels in soil cores collected from three different land-use practices at two field sites

Sources of variation df Site A Site B

Pseudo-F R2 Pr ([F) Pseudo-F R2 Pr ([F)

Land-use 2 35.91 0.23 0.001*** 13.37 0.10 0.001***

Salinity 2 24.94 0.17 0.001*** 25.11 0.17 0.001***

Groundwater table 8 8.02 0.22 0.001*** 13.41 0.31 0.001***

GHG greenhouse gas

***Indicate there is a statistically significant difference at p B 0.001 level of significance
nsIs not significantly different (p[ 0.05)
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(ANOVA results are not shown here). The SOC and

TN were significantly (p\ 0.05) higher in soils from

PA compared to other land-use practices in the order

of PA[ SRW = AC in both sites (Table 4). No

significant differences (p[ 0.05) were found in SOC

and TN content between sites. The SO2�
4 content was

approximately eight times higher in soils from site B

than site A (Supplementary Table 1). By land-use

practice, the soil SO2�
4 contents were SRW[ PA =

AC in site A and SRW = AC[ PA in site B,

suggesting no consistent land-use patterns between

sites.

Relationships of GHG with soil physiochemical

characteristics

Overall, the relationships between soil GHG (CO2,

CH4, and N2O) and soil clay content, SOC, TN, and C/

N ratio were positive, whereas bulk density, initial EC,

WEOC, and SO2�
4 were negative (Fig. 4). Significant

positive relationships (p\ 0.05) between soil GHG

and clay content, SOC, and C/N ratio were observed;

however, SOC vs. CH4, and C/N vs. N2O were non-

significant (p[ 0.05). The relationships between all

GHG emissions and bulk density were negative

(p\ 0.05) (Fig. 4). Correlations between soil PO3�
4 ,

SO2�
4 , and WEOC content with CO2 and CH4 were

negative (p\ 0.05) except for N2O (p[ 0.05). None

of the correlations between other initial soil physio-

chemical properties and soil GHG emissions were

statistically significant (p[ 0.05) (Fig. 4).

Redundancy analysis (RDA) between soil

physiochemical characteristics and GHG

Redundancy analysis (RDA) was performed to deter-

mine the relationships among soil physiochemical

properties and GHG emissions, as shown in Fig. 3C

and F. The first two component axes explained 86.23

and 12.43% of site A (Fig. 3C), 85.87 and 12.83%

(Fig. 3F) of site B of soil GHG. The vector lines of

SOC, TN, VSWC, EC from site A and site B were

statistically significant (p\ 0.05), showing that SOC

and TN played a crucial role in explaining soil GHG

emissions in both sites. There was a significant

positive correlation (p\ 0.05) between SOC, TN,

and soil GHG emissions in both sites A and B (Fig. 3C

and F).

Relationships of GHG with VSWC and EC measured

during the microcosm experiment

Groundwater salinity manipulation resulted in a

statistically significant difference (p\ 0.05) in soil

EC among different salinity treatment levels (in S1

and S2 compared to control) in both sites (Tables 1

and 2). Similarly, water table manipulation resulted in

a significant difference (p\ 0.05) in observed VSWC

among groundwater table depths in both sites. We did

not find any significant difference (p[ 0.05) in

VSWC or EC among land-use practices from site A

(p[ 0.05). However, we found a significant differ-

ence (p\ 0.05) in soil EC and VSWC in both sites

because of groundwater salinity and water table ma-

nipulation (Tables 1 and 2). We also observed a

significant (p\ 0.05) positive relationship between

soil EC and VSWC in both sites (Supplementary

Figs. 5 and 7) during the incubation experiment.

Table 4 Global warming potential (GWP) of CO2, CH4, and

N2O (equivalent to CO2) of three different land-use practices

from two sites

Land-use GWP (mg CO2-eq m-2 d-1)

Site A AC 1288.88b

PA 4509.89a

SRW 808.47c

Site B AC 1167.85b

PA 2358.27a

SRW 639.59c

F = 15.19

p = 0.002**

F = 112.73

p\ 0.001***

Means within a column for land-use followed by the same

letter are not significantly different (p[ 0.05) using Tukey

HSD

GWP global warming potential, AC annual crop, PA pasture,

SRW short rotation willow

**,***Indicate there is a statistically significant difference at

p B 0.01 and p B 0.001 level of significance, respectively
nsIs not significantly different (p[ 0.05)
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Global warming potential

The effects of different land-use practices from two

sites on the GWP of CO2, CH4, and N2O were

calculated (Table 4) based on CO2-eq during the

incubation period. The GWP was significantly

affected (p\ 0.05) by the origin of the soil from

three different land-use practices and sites. The GWP

was significantly higher in soils from PA, followed by

AC and SRW land-use practices in both sites, whereas

site A showed significantly higher GWP than site B.

Discussion

Effects of land-use, salinity and groundwater

table on GHG emissions

Land-use effects

In our study, CO2 emissions were significantly

affected by contrasting land-use practices, suggesting

that land-use was a significant driver of CO2 emission

by influencing the heterotrophic respiration of SOC

(Oertel et al. 2016). The highest mean and cumulative

CO2 emission in our experiment was seen from PA

soils, followed by AC and SRW, respectively. Enrich-

ment of SOC can trigger microbial activities that result

Fig. 4 Relationship (Spearman rank-order correlation) among

GHG, VSWC, EC, and physicochemical characteristics of the

experimental soils. Blue circles indicate positive and red circles

indicate a negative relationship. Larger circles and deeper colors

indicate stronger relationships. *,**,***Indicate there is a

statistically significant relationship at p B 0.05, p B 0.01, and

p B 0.001 level of significance, respectively; and the remainder

are not significant (p[ 0.05). GHG greenhouse gas, VSWC
soil water content, EC electrical conductivity, CEC cation

exchange capacity, TSC total soil carbon, SOC soil organic

carbon, WEOC water-extractable organic carbon, TN total

nitrogen, WEON water-extractable organic nitrogen, C/N
ratio carbon and nitrogen ratio. (Color figure online)
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in the emission of CO2, CH4, N2O; microbial activities

are themselves subject to various proximal and distal

drivers in soil (Oertel et al. 2016). Land-use practices

control SOC accumulation due to the influence of

tillage (or lack thereof) and the morphological and

biochemical traits of the vegetation; therefore, any

changes in land-use practices can change the potential

for GHG emissions (Liebig et al. 2005).

We observed a significant positive relationship

between CO2 and both SOC and TN in both sites.

Hence, elevated CO2 emissions were perhaps trig-

gered by higher SOC content and turnover rates from

root biomass in PA soils from both sites. Like this

study, others have found the C/N ratio was positively

correlated with CO2 and CH4 emissions (Shi et al.

2014; Weslien et al. 2009). Likewise, Lang et al.

(2010) found that the SOC and C/N ratio dominate

CO2 and N2O emissions from soil. Restoring cropland

to pasture has been shown to increase SOC in the PPR;

however, quantifying SOC associated with land-use

can be difficult in the short term, given the high degree

of variability of both biotic and abiotic factors

controlling SOC sequestration over time (Tangen

et al. 2015). For example, Follett et al. (2012) found

that PA soil can be a significant source or sink of C and

N. Similar to our experiment, Parmar et al. (2015)

found reduced GHG emissions in soil cores collected

from short rotation forestry. In contrast, Lang et al.

(2010) found significantly higher CO2 emissions in the

forest than in PA soils, with the reverse relationship for

N2O emissions.

Several factors may have contributed to the variable

CH4 emissions in our experimental soils. Soil CH4

emissions are generally related to moist environments

where methanogenesis can occur (Bridgham et al.

2013; Levy et al. 2012), although the C/N ratio can

also influence the CH4 emission (Gundersen et al.

2012). Using stable C isotope, Wu et al. (2018)

observed high CH4 uptake following afforestation,

which they attributed to increased SOC and microbial

biomass carbon, lower C/N ratio and less inorganic N.

In a meta-analysis of 5000 chamber measurements

collected from a range of land-use types, Levy et al.

(2012) observed low emissions or a lower rate of net

uptake of CH4 in mineral soils and high emissions

from organic soils; SOC, VSWC, and pH were the best

sub-set of explanatory variables. Hence, higher SOC

in our soils from PA land-use perhaps caused higher

CH4 emissions compared to AC and SRW. Similarly,

Lang et al. (2010) found that PA soils were a weak

source of CH4 emission, whereas forest soils were a

weak sink of CH4. However, we also found higher

background SO2�
4 content in site B than site A and

higher SO2�
4 content under SRW compared to PA

land-use practices; SO2�
4 content was negatively cor-

related with CO2 and CH4 fluxes in soil. Conceivably

the high SO2�
4 content inhibited the CH4 emission

even under wet conditions (Ardón et al. 2018),

resulting in the lower CH4 emissions from SRW.

In a controlled laboratory experiment to assess the

effects of land-use and climate (particularly soil

temperature and moisture) on the potential GHG

emission from intact soil cores collected from 13

European sites, Schaufler et al. (2010) found higher

N2O emission from grasslands compared to croplands,

forests, and wetlands. Similarly, we found signifi-

cantly higher N2O emissions from PA soil, followed

by AC and SRW in both sites. High available C and N

content in our PA soil likely stimulated microbial

activity leading to high N2O emission, as observed by

Follett et al. (2012). Research has shown that

heterotrophic nitrifying bacteria can denitrify with

low NO�
3 under aerobic conditions given sufficiently

high SOC content (Wrage-Mönnig et al. 2018). The

quality and availability of SOM input from different

land-use practices are likely a key driver (Chantigny

2003) because most of the dissolved organic matter is

directly involved in many soil microbial processes

(Bolan et al. 2011). In a pot experiment under field

conditions, Qiu et al. (2015) observed that manage-

ment practices that were adding plant-derived dis-

solved organic matter to the soil increased microbial

biomass and were responsible for a significant increase

in CO2 and N2O emissions. Hence, Wu et al. (2019)

suggested that GHG fluxes from the soils are rigor-

ously controlled by the labile components of SOM,

such as dissolved organic C and N, as well as inorganic

N.

In a field-scale study within a Canadian prairie

agroecosystem, Baah-Acheamfour et al. (2016)

observed that agroforestry could reduce CH4 and

N2O emissions to a greater extent than grassland,

providing potential to mitigate climate change. In a

field-scale study in a humid temperate region of

southern Europe, Merino et al. (2004) also observed

that afforestation could significantly increase SOC

content relative to annual cropland, while also
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decreasing N2O emission and increasing CH4 uptake.

Likewise, we observed significantly lower GWP

(CO2-eq) in soils from SRW than AC and PA in our

experiment. Hence, SRW can be a promising land-use

practice in the fallow marginal riparian zones of the

PPR agroecosystem (Amichev et al. 2014). However,

it is often challenging to generalize the impact of

agroforestry on the GHG budget without a better

understanding of the plant types, soil, and climatic

drivers that control the GHG emissions (Benanti et al.

2014).

Salinity effects

Salinity treatments significantly decreased CO2 and

CH4 emissions except for the CH4 emission from site

B (p = 0.069); however, it significantly increased the

N2O emission in soils from both sites. A microcosm

experiment performed on the coastal forested wet-

lands (Ardón et al. 2018) found that salinity can

suppress CO2 emission under both flooded and

drought conditions. Similar to our experiment, an

incubation study by Maucieri et al. (2017) examined

short-term effects of irrigation water salinity on soil

GHG emissions from semi-arid Australian soil; CO2

emissions were reduced by 19% at 5-mS cm-1 and

28% at 10-mS cm-1, whereas N2O emissions

increased 60%, and CH4 emissions were not affected

by increased salinity, only by soil water. Setia et al.

(2011) also found a significant decrease in CO2

emission with increasing salinity ranged from 1 to 5

mS cm-1.

The salt concentration and water content regulate

the osmotic potential in the soil; at both high salinity

and low water content, soil microorganisms can

tolerate the high osmotic potentials by synthesizing

osmolytes, which lets them continue metabolism (Yan

and Marschner 2013). Consequently, perhaps both

salinity and hydrology controlled N2O emissions

during our experiment. Fluctuating aerobic-anaerobic

conditions and environments low in oxygen can

promote N2O production by nitrifier denitrification

(Wrage-Mönnig et al. 2018). Dang et al. (2017)

likewise observed enhanced N2O production in an

incubation experiment under higher soil salinity and

suggested that the addition of available carbon (glu-

cose) and nitrogen (nitrate) created favorable condi-

tions for denitrification. Comparably, in our

experimental soil, SOC and TN acts as significant

drivers that controlled the GHG emission. Increased

N2O emission through denitrification with increased

salinity is likely (Marton et al. 2012). Tsuneda et al.

(2005) observed that increased salt concentrations

could substantially influence N2O emission by inhibit-

ing nitrous oxide reductase activity. Enhanced N2O

emissions may be triggered by inhibited nitrous oxide

reductase impeding the kinetic balance between N2O

production and consumption under salt stress condi-

tions (Han et al. 2019).

Increased soil NHþ
4 and dissolved organic carbon

were observed with increased salinity in a laboratory

incubation experiment with core soils collected from

freshwater tidal marshes in southeast China (Wang

et al. 2017a). In contrast to our experiment, (Wang

et al. 2017a) observed stimulated CO2 emission at

intermediate salinities (i.e., 5 to 7.5%) but inhibited at

C 15%, CH4 emissions were unaffected up to 7.5%
but declined substantially at salinity C 10%, whereas

salinity did not affect the N2O emission. Similarly, in a

review, Poffenbarger et al. (2011) observed that the

CH4 emission decreased with increasing salinity in

tidal marshes. We got a very low CH4 emission or

some cases uptake in site B and site A except under PA

land-use practice. In these soils, higher salinity

increases SO2�
4 availability; SO2�

4 acts as an alterna-

tive terminal electron acceptor under anaerobic con-

ditions and can shift microbial metabolism towards

more energetically favorable processes (Bridgham

et al. 2013). A significant inverse correlation has been

observed between the CH4 emission and SO2�
4 content

in PPR wetland soils (Pennock et al. 2010). Our

experimental soil from site B had very high SO2�
4 con-

tent and had a highly negative correlation with CH4;

the lowest CH4 emissions were observed from those

soils with high SO2�
4 content in the soil. Similarly, the

presence of high SO2�
4 in soil inhibited the CH4

emission in an incubation experiment (Ardón et al.

2018) and riparian areas of PPR wetlands (Dunmola

et al. 2010).

Water table effects

The GWT significantly controlled the soil GHG

emissions from our experimental soil cores. Soil water

content controls microbial activity and processes and

is the single most crucial soil parameter that regulates

GHG emissions (Oertel et al. 2016). Overall, higher
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CO2 emission can occur from the rapid decomposition

of C in well-drained areas (Freeman et al. 2001), N2O

emissions are most likely between strict aerobic and

anaerobic conditions (Davidson et al. 2000), and CH4

is produced via the reduction of CO2 in a strictly

anaerobic microbial process known as methanogene-

sis (Bridgham et al. 2013). Conversely, soils can also

be a sink of atmospheric CH4 through microbial

oxidation under aerobic conditions (Thangarajan et al.

2013).

In our experiment, the CO2 emission rate was

variable and, to some extent, dependent on VSWC in

both sites, whereas CH4 emissions decreased with

declining water table depths and as the VSWC

decreased. Similarly, an incubation experiment with

peat cores from central and eastern Canada (Blodau

et al. 2004) found a lower water table depth increased

CO2 production through soil respiration and microbial

biomass, whereas CH4 production and emissions

decreased. Additionally, in a lysimeter experiment

using undisturbed peat soil columns, higher CO2

emissions were observed at the low water table depth

(40 cm below surface) compared to the greater depths

(80 cm below surface), CH4 emissions were very low

or negative (Berglund and Berglund 2011). Studies of

flooding effects on GHG observed significant CH4

emission in both forested and non-forested soils

(Mander et al. 2015; Wang and Bettany 1997);

however, Wang and Bettany (1997) also found that

80–90% of the CH4 was taken up within a week under

non-flooded conditions.

We observed low N2O emissions under the higher

water table level as the experimental soil cores were

near-saturated; however, emissions increased once the

moisture condition became ideal. This occurred at the

midpoint of groundwater table treatments, similar to

what was observed by (Berglund and Berglund 2011)

in their peat core experiment. Similarly, a laboratory

incubation study found high N2O emission with

adequate but unsaturated soil water availability,

indicating that water-filled pore spaces and C avail-

ability primarily controlled the denitrification process

and thus N2O emissions (Gillam et al. 2008). Sub-

stantially higher N2O emissions can occur when

intermittently flooded soils are exposed to air, enhanc-

ing combined nitrification-denitrification; however,

drying also initiates suboptimal conditions for com-

plete denitrification as enhanced oxygen supply

inhibits N2O reductase (Knowles 1982). Therefore,

as the GWT is lowered (in the absence of standing

water), the N2O reductase enzyme that catalyzes the

reduction of N2O to N2 is inhibited by oxygen under

suboxic conditions; N2O emissions are most likely the

by-product of denitrification, and N2O diffusion to the

atmosphere is unrestricted by porewater, increasing

N2O fluxes (Pinto et al. 2021).

A study within the PPR agricultural landscape

observed that GHG hotspots are predominantly driven

by soil moisture and SOC availability (Dunmola et al.

2010). We collected intact soil cores from the annual

crop, pasture, and short rotation willow plantation;

however, we did not measure GHG emissions directly

in the field. Although we might not specifically

compare our results with field-scale studies, we

observed that the VSWC in our experimental cores

largely controlled the GHG emissions. When soils dry

out, the substrate supply becomes increasingly limited

for microbes as the water drains out from soil pores,

and water films around the soil aggregates become

thinner and disconnected (Yan et al. 2015). However,

we should consider that lowering the water table may

also expose new layers in soil containing substrate for

microbial decomposition and that soil physical prop-

erties at depth might have distinct impacts on the

emissions rate (Berglund and Berglund 2011).

Conclusions

Our results showed that adjacent contrasting riparian

land-use practices significantly influenced GHG emis-

sions within the PPR agroecosystems. We observed

significantly higher CO2, CH4, and N2O emissions

from PA land-use practice. Changes in soil properties,

particularly organic C and N, evidently shaped the

observed difference in soil GHG emissions because of

contrasting land-use practices. Conceivably, high

background SO4
2- concentration in soils collected

from SRW land-use practices cut the CH4 emission

and subsequently contributed less towards the GWP.

We saw that lowering the water table decreased

CH4 emissions with the reduction of VSWC but

resulted in higher N2O emissions under an intermedi-

ate water table position when VSWC in the cores

reached suitable conditions for denitrification.We also

noticed variable CO2 emissions, with an initial

increase with the lowering of the water table followed

by a decrease as the VSWC diminished. With elevated
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groundwater salinity, we observed a decrease in CO2

and CH4 emissions, but a significant escalation in N2O

emissions.

The GWP of SRW was significantly lower than AC

and PA, suggesting this is a potentially promising

land-use practice in those fallow marginal riparian

zones of the PPR that are not suitable for crop

production due to the higher salinity. Overall, our

experiment showed a decrease in GHG emissions with

increasing salinity and varying responses to GWT

based on GWT depth and the GHG in question.
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Mander Ü, Maddison M, Soosaar K, Karabelnik K (2011) The

Impact of pulsing hydrology and fluctuating water table on

greenhouse gas emissions from constructed wetlands.

Wetlands 31(6):1023–1032
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