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Abstract While epidemiologists have long acknowl-

edged that automobile emissions create corridors of

increased NOx concentrations near highways, the

influence of these emissions on dry nitrogen (N) depo-

sition and effects on surrounding ecosystems are not

well-characterized. This study used stable isotopes in

plant tissue and dry N deposition to examine the extent

of N deposition from automobile emissions along a

roadside transect spanning 400 m perpendicular to a

moderately trafficked highway (33,000 vehicles per

day). Passive samplers were deployed monthly for

four months at six stations to collect dry deposition of

nitric acid (HNO3) and nitrogen dioxide (NO2),

analyzed for concentration and natural abundance

isotopic composition (d15N). Agrostis perennans

(bentgrass) and Panicum virgatum (switchgrass) were

deployed as biomonitors to examine relative sources of

N to plant tissue. Both NO2 flux and d15N–NO2 values

were significantly higher close to the road indicating a

high proportion of automobile-sourced N is deposited

near-road. Further, this near-road deposition occurred

primarily as NO2 prior to oxidation to HNO3, as HNO3

fluxes were an order of magnitude lower than NO2

fluxes and were highest midway through the transect.

Plant tissue d15N values were higher near the road,

signifying the influence of automobile emissions on

plant tissue composition. Importantly, N flux near the

road was four times higher than background N flux

measured at the nearest regional dry deposition

monitoring locations. We extrapolated these results

to demonstrate that the observed spatial patterns of

concentrated N deposition impact our understanding of

regional N deposition to watersheds when applied to a

metropolitan area.

Keywords Nitrogen isotopes � Vehicle emissions �
Dry deposition

Introduction

NOx emissions from vehicular sources can create

corridors of increased air pollution near highways. For

example, studies document elevated atmospheric NOx

concentrations within hundreds of meters of roadways

(Gilbert et al. 2007; Singer et al. 2004). However,

there is limited understanding of the effects of these

K. Redling (&) � E. Elliott � D. Bain

Geology & Planetary Science, University of Pittsburgh,

4107 O’Hara St., Pittsburgh, PA 15260, USA

e-mail: kmm98@pitt.edu

E. Elliott

e-mail: eelliott@pitt.edu

D. Bain

e-mail: dbain@pitt.edu

J. Sherwell

MD Department of Natural Resources, Power Plant

Research Program, Tawes Building B-3, Annapolis,

MD 21401, USA

e-mail: jsherwell@dnr.state.md.us

123

Biogeochemistry (2013) 116:261–274

DOI 10.1007/s10533-013-9857-x



emissions on the surrounding environment. Because

vehicle emissions comprise *50 % of Eastern U.S.

NOx emissions (Butler et al. 2005), it is critical to

identify their fate and impact on near-road ecosystems.

Atmospheric reactive N compounds (including NOx,

HNO3, and NH3) have relatively short atmospheric

lifetimes (1–8 days) and high deposition velocities,

leading to near-source deposition (Kirchner et al.

2005; Moomaw 2002). Unlike emissions from regio-

nal air pollution sources (e.g., smoke stacks), dry

deposition from vehicles can deposit 10s to 100s of

meters from roadways (Cape et al. 2004; Kirchner

et al. 2005). This spatial pattern of concentrated N

deposition has implications for near-road environ-

ments, including adverse effects on plant communi-

ties. For example, studies document defoliation and

changes in community structure due to N pollution

near roadways (Angold 1997; Bignal et al. 2007).

Furthermore, storm water infrastructure can channel

near-road deposition into surface water.

Most national pollution monitoring facilities in the

U.S. [such as the National Atmospheric Deposition

Program and Clean Air Status and Trends Network

(CASTNET)] are intentionally located in rural areas,

far from major pollution sources and transportation

corridors, in order to monitor regional air pollution

trends. While this provides long-term assessment of

background N deposition levels, the remote location of

these sites likely underestimates total N deposition to

the landscape. Because dry N deposition from auto-

mobiles can deposit locally, wet and dry N deposition

monitored at these sites may not take into account

automobile pollution (Elliott et al. 2009, 2007).

Previous research suggests that N deposition observed

by these networks reflects NOy derived primarily from

stationary sources rather than mobile sources (Elliott

et al. 2009, 2007). Furthermore, neither monitoring

network measures atmospheric NO2 and NOx concen-

trations (though they measure particulate NO3
-,

HNO3 and, at some sites, NH3). As a result, existing

monitoring networks may underestimate NOy and

total N deposition, especially near roadways and,

consequently, urban areas.

Stable isotopes of nitrogen can indicate dominant

sources of NOx emissions to precipitation and dry

deposition (Elliott et al. 2009, 2007; Hastings et al.

2003). Major atmospheric NOx sources have distinct

isotopic signatures, allowing differentiation of emis-

sions contributing to gaseous reactive N and resulting

wet and dry deposition. For example, coal-fired power

plant combustion generates NOx emissions with d15N

values of ?10 to ?20 % (Felix et al. 2012; Heaton

1990). In contrast, automobile NOx is characterized by

lower d15N values, ranging from -13 to -2 % for

idling vehicles (Heaton 1990) and ?3.7 to ?9 % for

vehicles under high load (Ammann et al. 1999; Moore

1977). In comparison, biogenic soil NO emissions,

emitted as a byproduct during nitrification and deni-

trification reactions, have lower d15N values relative to

fossil fuel NOx sources. Reported biogenic d15N–NO

values range from -49 to -19 % for fertilized soils

sampled during a 13-day laboratory study (Li and

Wang 2008) and -27 % from fertilized soils in a

conventionally managed cornfield integrated over a

month-long collection period (Felix and Elliott 2013).

While it is generally assumed that plants assimilate

N through roots, atmospheric NOx, HNO3 and NH3

taken up through the stomata can also be an important

nutrient source (Garten 1993; Padgett et al. 2009;

Thoene et al. 1991; Wellburn 1990). This is evidenced

by studies that document similarities between d15N

values in plant tissue and d15N of atmospheric NOy

across regions (Gebauer and Schulze 1991; Högberg

1997; Jung et al. 1997) and near roads (Ammann et al.

1999; Pearson et al. 2000; Saurer et al. 2004).

This study examined the extent of N loading along a

transect perpendicular to a moderately trafficked

highway (*33,000 vehicles per day) using passive

sampling of dry reactive N fluxes and d15N values. In

addition, the effects of increased roadway N deposi-

tion on local vegetation were explored using the

isotopic composition of plant tissue as a biomonitor of

atmospheric N exposure. By coupling plant tissue

natural abundance isotopic composition with concen-

tration and natural abundance isotopic composition of

atmospheric reactive N, we assessed the extent of N

transport in near-road environments, the fate of this

reactive N, and the potential influence on local

vegetation.

Methods

Site description

The road transect was located at the Carnegie Museum

of Natural History Powdermill Nature Reserve

near Donegal, Pennsylvania (USA) (N 40�07042.200;
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W 79�17011.700). The transect was situated in a meadow

that abuts Interstate-76, a five-lane highway that

conveys an annual average of *33,300 vehicles per

day (2008 data) (Pennsylvania_Department_of_Tran-

sportation 2009) (Fig. 1). This is similar to daily traffic

density in a moderate-sized city but is lower than larger

metropolitan areas. For example, I-376 in Pittsburgh,

Pennsylvania has an annual average daily traffic of

31,000 vehicles per day, whereas traffic volume on

I-276 in Philadelphia, Pennsylvania is 105,000 vehicles

per day (Pennsylvania_Department_of_Transportation

2009). While multiple transects are preferable, logisti-

cal constraints including both land owner access and

available funding limited this study to a single transect.

Sampling stations were established at 2, 12, 30, 90,

188 and 460 m along the transect from the roadway

(Fig. 1). Sampling sites were selected based on

accessibility and were located closer together near

the road to capture the exponential decline in NO2 flux

expected near the road. The 460 m length of the

gradient was based on the maximum length to the edge

of the field, which was adjacent to a forest. While

previous studies had control sites 1,000 meters from

the road (Ammann et al. 1999; Saurer et al. 2004), this

was not possible in our transect location due to

vegetation change from meadow to forest. We used

460 m as our control site because previous literature

demonstrated that 90 % of NH3 and NO2 deposition

occurs within 15 m of the road (Cape et al. 2004). The

transect was located in a rural area, far from point

sources of NOx emissions. In this isolated roadside

environment, the dominant sources of NO2 and HNO3

were expected to be soil biogenic and vehicle NOx

emissions.

Plant sampling and analysis

Each station contained two 7.5 liter pots, one Agrostis

perennans (bentgrass) and one Panicum virgatum

(switchgrass), with approximately fifty individual

grass plants per pot. Bentgrass and switchgrass were

chosen because they are drought-resistant natives with

C-3 and C-4 photosynthetic pathways, respectively.

The 12 m station contained two switchgrass; it did not

contain bentgrass due to plant mortality at that station.

No plants were sited at 2 m due to highway right-of-

way restrictions. Potted plants were used rather than

native vegetation to control natural variability in soil

N content, soil type, specimen age, and species along

the transect. All plants along the transect were grown

from seed in the same indoor greenhouse, ensuring

that all plants would start with similar isotopic

compositions. Likewise, all the plants were grown

and eventually re-potted in well-homogenized potting

soil, ensuring limited isotopic variability between soil

N in each pot. Pots were doubled to prevent water loss,

intrusion of native soil and root growth through the

bottom of the pots. Pots were placed in holes in the

ground to further prevent water loss. By controlling

the soil media, using multiple individuals and effec-

tively restricting the plants to their pots, the amount of

isotopic variability between individual plants prior to

exposure was limited. Because plant roots could not

access soil beyond the pot exterior, it was assumed that

plants only received nutrients from the soil in the pot

and atmospheric deposition. Plants were watered upon

Fig. 1 Aerial photograph of road transect with sampling

stations labeled. R1–R6 correspond with 2, 12, 30, 90, 188

and 460 m stations, respectively

Biogeochemistry (2013) 116:261–274 263

123



initial deployment with local tap water, but for the

remainder of the study received only precipitation.

While nitrate and ammonium are present in Western

Pennsylvania precipitation and would act as a plant

nutrient, it is expected that across such a small spatial

scale, isotopic variability in rain water nitrate and

ammonium d15N values between the sites would be

minimal. With these experimental controls on isotopic

composition in place, as the plants gained biomass

throughout the summer, the biomass acquired the

isotopic signature of the CO2 from the surrounding air

and reactive N from either stomatal uptake of gaseous

reactive N or root uptake of dry deposited reactive N or

potting soil N.

Plants and soils were sampled monthly from July

through October, 2008. Samples were cut with scis-

sors, washed with 18 MX water to remove any dry

deposition and dirt from the leaves and placed in

individual bags. Grass samples from each pot were

composited into a single sample, containing leaves

from the entire population of plants in the pot. Grasses

were not completely harvested—approximately 50 g

of leaves were cut monthly. Approximately 100 g of

potting soil were spooned out of the pots from a depth

of 2–5 cm and placed in individual bags. All samples

were transported on ice to laboratories at the Univer-

sity of Pittsburgh and stored frozen to prevent tissue

breakdown. Samples were subsequently freeze-dried

and ground with a coffee grinder and mortar and pestle

and packed into tin capsules for isotopic analysis.

Isotopic analysis was conducted using a EuroVector

high temperature elemental analyzer connected to a

GV Instruments Isoprime Continuous Flow Isotope

Ratio Mass Spectrometer (CF-IRMS) at the Regional

Stable Isotope Laboratory for Earth and Environmen-

tal Science at the University of Pittsburgh. Precisions

were\0.1 % for d13C and d15N on duplicate samples.

All populations are treated as normally distributed and

potential correlations were evaluated using linear

regressions.

Dry deposition sampling and analysis

NO2 and HNO3 were collected using passive diffusion

samplers that collect individual N compounds on a

chemically reactive filter pad. This is an effective and

inexpensive method for monitoring dry deposition

(Bytnerowicz et al. 2005; Golden et al. 2008) and

isotopic composition (Elliott et al. 2009) of N

compounds. For NO2, 14.5 mm TEA-coated filters

and samplers (Ogawa, USA) were used that contained

two filters held in place by a diffusion barrier and

stainless steel screens. HNO3 was collected using

47 mm nylon filters (Pall Corporation) coupled with a

ZefluorTM PTFE membrane (Pall Corporation) in a

PVC housing where each sampler assembly contained

one HNO3 filter (Bytnerowicz et al. 2005). We

deployed two filter pads, one for isotopic analysis

and one for concentration measurements, for both NO2

and HNO3 at each site for one month intervals. This

length of time ensured sufficient material was col-

lected to perform both concentration measurements

and isotopic analysis. Filters were changed in the field

each month concurrent with grass and soil sampling.

Exposed filters were loaded into centrifuge tubes and

frozen until analysis. Field and laboratory blanks were

used to determine background levels of deposition on

the filters prior to deployment. Missing data points

included the 2 and 12 m stations in July (NO2 and

HNO3) and the 30 m station in August (NO2) due to

highway right-of-way restrictions and vandalism,

respectively.

For concentration measurements of NO2 and

HNO3, each filter was eluted with 5 mL of 18 MX
water to produce NO2

- and NO3
-. Eluant concentra-

tions were analyzed on a Dionex ICS2000 Ion

Chromatograph. For isotopic analysis of NO2 and

HNO3, the second filter of each sample was eluted in

5 mL of 18 MX water. The bacterial denitrification

method was used to convert eluted nitrite and nitrate

into 10 nmol of N2O gas (Casciotti et al. 2002; Sigman

et al. 2001). The resulting gas was introduced into a

GV Instruments Isoprime CF-IRMS. Precisions were

\0.25 % for d15N on duplicate analyses. Samples

with \0.23 mg L-1 eluant concentrations were not

analyzed due to insufficient sample mass. This

included four NO2 samples: the 188 and 460 m

stations from July and the 90 and 188 m stations from

August.

While it is challenging to directly measure dry

deposition and associated deposition velocities, con-

centrations on passive samplers were used to estimate

N flux. In this study, we estimated flux using two

methods. For the first estimate, we used the method

described by Golden et al. (2008), hereafter referred to

as the ‘‘Golden method’’ in which

F ¼ c� vð Þ= a� dð Þ ð1Þ
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where F is flux, c is concentration measured in filter

eluant, v is elution volume, a is the effective filter area

and d is number of days the filter was exposed. For the

second estimate, we used a method described by

Roadman et al. (2003), hereafter referred to as the

‘‘Roadman method’’ in which

C ¼ m=tð Þ=M ð2Þ
F ¼ C� Vd ð3Þ

where C is average ambient concentration, m is mass

of N on the filter, t is time the filter was exposed, M is

the mass transfer coefficient, F is flux and Vd is

deposition velocity. For Roadman method calcula-

tions, mass transfer coefficients derived from the

literature were used for each type of sampler design.

For the NO2 sampler design, there were two mass

transfer coefficients reported, 12.1 cm3 min-1 (Tang

et al. 2001) and 9.5 cm3 min-1 (Yu et al. 2008),

hereafter referred to as the ‘‘Roadman low’’ and

‘‘Roadman high’’ scenarios, respectively. To our

knowledge, only one mass transfer coefficient has

been reported for the HNO3 sampler used in this study

[31.855 m3 h-1 (Bytnerowicz et al. 2005)]. As such,

only one flux was calculated using the ‘‘Roadman

method’’ for HNO3.

Deposition velocities for NO2 and HNO3 were

estimated for the road transect using CALPUFF (US

Environmental Protection Agency 2009). CALPUFF

is a Lagrangian puff dispersion model that simulates

effects of spatial and temporal variations in meteoro-

logical data on dispersion, transport, and deposition of

pollutant species. Continuous emissions from air

pollution sources, such as mobile sources, are simu-

lated by a series of puffs tracked during downwind

transport. CALPUFF estimates dry deposition velocity

as a function of land use at the location of each puff.

CALPUFF-derived deposition velocities for NO2

spanned a range (0.0018 and 0.001 m s-1); this range

falls within literature-reported values for NO2

(0.001 m s-1) (Hauglustaine et al. 1994). Estimated

deposition velocities for HNO3 derived from CALPUFF

were 0.0035 m s-1. While this value is lower than

literature-reported values (0.04 m s-1 for average con-

tinental deposition (Hauglustaine et al. 1994) and

0.008–0.033 m s-1 modeled for various land types

(Clarke et al. 1997), it reflects the highly variable

deposition velocities for HNO3 and using lower values

is a more conservative approach in the flux calculations.

For this study, this range in deposition velocities was

combined with the range of reported mass transfer

coefficients to yield scenarios representing both the

highest and lowest potential fluxes for the ‘‘Roadman

high’’ and ‘‘Roadman low’’ scenarios, respectively.

Filter concentrations reflected monthly average

concentrations for each month of the study. For

accuracy, spatial and temporal variations in NO2 and

HNO3 (Fig. 3) were reported as monthly fluxes

(kg ha-1 month-1). However, we also extrapolated

average NO2 and HNO3 flux calculations (Fig. 2) for

an entire year period and report annual fluxes

(kg ha-1 year-1) to facilitate conservative compari-

sons with other monitoring studies using the kg ha-1

year-1 convention. All fluxes were reported as NO2–N

or HNO3–N.

Results

Reactive N fluxes

Concentrations for NO2 ranged from below detection

to 6.4 ppb, corresponding to an average NO2 flux for

all months ranging from 0.9 to 4.2 kg ha-1 year-1 for

the Roadman high estimate, 0.4 to 1.3 kg ha-1 year-1

for the Roadman low estimate and 0.5 to 2.2 kg ha-1

year-1 for the Golden estimate (Fig. 2a). Highest

average fluxes occurred at the 2 m station. NO2 fluxes

decreased exponentially with distance from the road

with the lowest fluxes generally observed at the 460 m

station. NO2 flux varied temporally (Fig. 3a).

Throughout 5 months of observations, the spatial

gradient in NO2 flux was present in all months, but

with varying intensity. In August NO2 flux was three

times higher at the station 2 m from the road than at

the 460 m station. In September, October and Novem-

ber roadside NO2 flux was 2.6, 4 and 4.4 times higher

than the 460 m station, respectively. The highest

estimated flux throughout the study occurred in

October at the 2 m station (0.5, 0.3 and 0.2 kg ha-1

month-1 with the Roadman high, Golden and Road-

man low estimates, respectively).

HNO3 flux exhibited spatial and temporal patterns

distinct from NO2 flux patterns. HNO3 flux was an order

of magnitude lower than NO2, with average flux for all

months ranging from 0.13 to 0.26 kg ha-1 year-1 for

the Golden method and 0.06 to 0.10 kg ha-1 year-1 for
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the Roadman method (Fig. 2b). HNO3 flux peaked at

two transect stations (12 and 188 m) and was generally

highest in October and November.

Isotopic composition of dry deposition

d15N–NO2 followed a spatial pattern similar to NO2

flux; meand15N values decreased with distance from the

road (Fig. 2c). The 2 m station had values ranging from

-5.1 to ?7.3 %. The 460 m station had values ranging

from -11.9 to -24.6 %. Values at these two stations

were significantly different (ANOVA, p = 0.02).

Additionally, d15N–NO2 exhibited seasonal varia-

tion similar to seasonal variations in NO2 flux

(Fig. 3c). d15N–NO2 was lowest during September at

most stations (12, 90, 188 and 460 m). During October

and November d15N–NO2 increased at all stations.

The highest values were in November, during periods

of highest NO2 flux.

In comparison, d15N–HNO3 did not exhibit a

defined spatial gradient (Fig. 2d). d15N–HNO3 values

ranged from -1.1 to ?3.3 %, which was within the

vehicle d15N–NOx range; however, individual stations

were not significantly different each other (ANOVA,

p = 0.05). Temporal trends in d15N–HNO3 were

dominated by lower d15N values at all stations in

September relative to other months (Fig. 3d). How-

ever, relative to NO2, d15N–HNO3 values spanned a

Fig. 2 N flux, atmospheric

N isotopes, plant isotopes

and C:N ratios, and soil N

isotopes. For NO2 and

HNO3 flux, squares are

Golden method estimates,

triangles are Roadman low

estimates and diamonds are

Roadman high estimates.

Plant data does not include

July; as the plants acquired

biomass, the N isotopes

changed as juvenile plants

matured. July data was a mix

between seedling values

from June and mature plants

in August. Plots c-l are box

and whisker plots, in which

the box represents the upper

and lower quartile and the

whiskers represent the

minimum and maximum

data point. The center line in

the box is the median value.

Outliers are shown as black

dots with lines through them
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smaller range and, apart from September values, were

relatively constant across the stations during the study

period.

Plant tissue and soils

We observed pronounced spatial gradients in d15N

values of bentgrass and switchgrass tissue (Fig. 2e, f).

Bentgrass d15N values were highest closest to the road

and were significantly correlated with distance from

the road (linear regression, R2 = 0.69, p \ 0.001).

Bentgrass d15N values at the 30 m station were

significantly different from those at stations at 90,

188 and 460 m (ANOVA, p = 0.02). Switchgrass

d15N values were more spatially variable. Switchgrass

d15N values were not correlated with distance from the

road, likely because the peak mean value was 90 m

from the roadway (Fig. 2f). Switchgrass d15N values

at 12 m were the most variable of all the stations;

however average d15N values at 12 m were higher

than those at 460 m. The only significant difference

between average d15N values at all the stations was

between 90 and 460 m stations (ANOVA, p = 0.03).

Temporally, d15N-bentgrass decreased slightly from

August until October at all stations (Fig. 3f). In

comparison, temporal changes in switchgrass d15N

varied by station (Fig. 3e); at the 12 and 30 m stations,

Fig. 3 Monthly variations

in N flux (in

kg ha-1 month-1),

atmospheric N isotopes,

plant tissue isotope, and

plant tissue C:N ratios at

each station. For NO2 and

HNO3 flux, squares are

Golden method estimates,

triangles are Roadman low

estimates, and diamonds are

Roadman high estimates.

For atmospheric N isotopes,

missing values (due to low

concentrations) are omitted.

For plant tissue plots,

neither grass was placed at

the 2 m station. For

switchgrass plots, the 12 m

station had two pots of grass;

all other stations had one

pot. There were no bentgrass

pots at the 12 m station
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d15N increased throughout the months of the study,

whereas at all other stations d15N decreased.

Soil d15N from switchgrass pots varied most at the

12 and 30 m sites, with d15N values peaking at the

90 m station and decreasing with distance from the

road, consistent with d15N values of switchgrass tissue

(Fig. 2l). In contrast, d15N of bentgrass soil (Fig. 2k)

showed no clear trends across the transect and was

dissimilar to bentgrass tissue d15N.

C:N in switchgrass tissue was lowest closest to the

road and increased and became more variable with

distance from the road (linear regression, R2 = 0.43,

p \ 0.003) (Fig. 2j). Bentgrass C:N also increased

with distance from the road; however, this relationship

was not significant (Fig. 2i). Temporally, while initial

switchgrass C:N values were similar at all stations,

throughout the months of the study, C:N increased at

the 188 and 460 m station (Fig. 3g). In August,

September and October, C:N ratios at the 12 m station

were significantly different from those at 460 m

(ANOVA, p = 0.05). Bentgrass exhibited a similar

temporal response. Bentgrass C:N was comparable at

all stations in July (Fig. 3h); however by August, C:N

ratios were higher at the 460 m station relative to those

stations closer to the road.

Bentgrass d13C values were more positive farther

from the road (Fig. 2g). However, this relationship

was not significant and varied by month. Temporally,

in July and August, bentgrass d13C values were

approximately the same across the entire transect.

However, in September and October, the 460 m

station had d13C values approximately 1 % higher

than the 30 m station. Switchgrass d13C values were

correlated with distance from the road (linear regres-

sion, R2 = 0.28, p \ 0.03) (Fig. 2h). Switchgrass

d13C values at 12 m were significantly lower than at

90 and 188 m (ANOVA, p = 0.05). In each month,

the 460 m station had values *1 % higher than the

12 m station.

Discussion

Patterns in near-road reactive N fluxes

and comparison to CASTNET deposition

monitoring

The spatial pattern of rapid decreases in NO2 fluxes

with distance from the road observed in this study was

consistent with studies that document elevated con-

centrations and flux of NO2 near roadways (Cape et al.

2004; Kirchner et al. 2005). Temporal increases in

NO2 fluxes during October and November were also

consistent with studies documenting increases in NO2

flux during colder months (Atkins and Lee 1998;

Kirby et al. 1998). Higher NO2 fluxes during colder

months were attributable to higher stationary source

NOx emissions during colder months (Elliott et al.

2009), seasonal changes in oxidation pathways, or

decreased NO2 uptake by stomata at the end of the

growing season (Hargreaves et al. 1992).

As an oxidation product of NO2, HNO3 is formed at

a greater distance from the road and thus accounts for

more complicated spatial patterns in HNO3 fluxes. In

addition, HNO3 has highly variable deposition veloc-

ities, and can more readily deposit on surfaces than

NO2. The variations in deposition velocity may have

accounted for complex spatial patterns in HNO3 flux,

but were not captured by the flux calculations, which

use a single deposition velocity.

Comparison of total N flux near the roadway with

background levels of N deposition measured at a local

CASTNET site revealed an underestimation of N

deposition reaching the landscape by regional moni-

toring networks. Total dry deposition measured at the

nearest CASTNET site (Laurel Hill LRL 117, which is

16 km from the road transect) in 2008 was

1.04 kg ha-1 year-1. This included measurements of

particulate nitrate, dry NH4, and HNO3 (U.S._EPA_

CASTNET 2008). In comparison, at the 2 m road

transect station, the total annual deposition was

estimated to be 1.9, 2.4 and 4.2 kg ha-1 year-1 for

total N (NO2 plus HNO3), using the Roadman low,

Golden and Roadman high methods of estimation,

respectively. This deposition was based on the average

of monthly observed data for the 4 months of the

study. Although this estimate was based on a partial

year of data, it was expected that this was a conser-

vative estimate due to higher NO2 concentrations

expected during winter months. There were no

significant changes in NO2 flux and d15N between

the 90 and 460 m sites, indicating that by 460 m a

background level was reached. At the 460 m station,

which was most likely reflective of background

regional dry N deposition, total N flux was estimated

at 0.4, 0.6 and 0.9 kg ha-1 year-1 with the Roadman

low, Golden and Roadman high methods, respec-

tively. Of the three estimates, the Roadman high
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estimate at this station (0.93 kg ha-1 year-1) was

most similar to flux measured at the CASTNET site

(1.04 kg ha-1 year-1); therefore we used the Road-

man high method to compare flux along the rest of the

transect (Fig. 4). This comparison indicated an addi-

tional 3.3 kg ha-1 year-1 above ambient background

NO2 and HNO3 fluxes were deposited within 2 m of

the roadway; this was 4 times higher than the

CASTNET site (Fig. 4). At the 12 m station, the

Roadman high estimate was 2.7 kg ha-1 year-1,

which was an additional 1.8 kg ha-1 year-1 above

background (2.6 times higher than CASTNET). These

results illustrate that increased N fluxes near roadways

can create continuous corridors of concentrated N

deposition across the landscape. This has important

implications not only for air quality, but also for water

quality and ecosystem health, especially in urban areas

characterized by high road densities. These findings

highlight the need for longer term, spatially replicated

monitoring of roadsides to more accurately character-

ize total N flux to the land surface.

Using NO2 and HNO3 isotopes to evaluate sources

of dry N deposition along the road transect

Average d15N–NO2 values at the 2 m station

(mean = ?1.0 ± 3.5 %) were close to the reported

vehicle range for d15N–NOx (?3.7 to ?9 %), whereas

values at all other stations indicated mixing between

vehicular and biogenic NOx sources, dependent on

distance from the highway. We used a two end-

member mixing model to estimate contributions of

biogenic and automobile emissions to each station

along the road transect. The model assumed that

biogenic and automobile NOx were the primary

sources of NO2 along the transect and that contribu-

tions from other NOx sources (e.g. power plants) were

regionally distributed and thus affected all sites along

the transect equally. The mixing model was calculated

as follows:

d15Npred ¼ Fb � d15Nb

� �
þ Fa � d15Na

� �
ð4Þ

where d15Npred is the predicted d15N–NO2 value, Fb is

the fraction biogenic, d15Nb is the biogenic d15N–NO2

value, Fa is the fraction automobile, and d15Na is the

automobile d15N–NO2 value. Values for d15Nb [-19

to -49 % (Li and Wang 2008)] and d15Na [?3.7 to

?9 % (Ammann et al. 1999; Heaton 1990; Moore

1977)] were obtained from literature values for

biogenic and automobile emissions, respectively.

Two versions of the mixing model were calculated,

using the widest range in reported values (-49 and

?9 %) and the narrowest range (-19 and ?3.7 %)

for d15Na and d15Nb, respectively. Predicted values

were compared to observed values to estimate the

percent contributions from biogenic and automobile

emissions to each station in each month. Because the

endmembers of the mixing model spanned a wide

range for both biogenic and automobile emissions,

results from the mixing model produced large ranges

in percentages for biogenic and automobile emissions

at each station. Future studies that constrain the

isotopic values of endmembers will improve our

ability to apportion these source contributions using

mixing models.

The lower d15N–NO2 values in August and Septem-

ber reflected the influence of biogenic sources during the

growing season. According to the mixing model, at the

2 m station, in August and September, automobile

sources accounted for 61–79 % of NO2, whereas in

October and November, 93–100 % of NO2 at this station

was from automobiles. Despite the seasonal variation,

the spatial gradient in d15N–NO2 values remained

consistent during each sampling month, indicating that

mobile NO2 emissions continually influenced the tran-

sect throughout the study, especially within 12 m of the

road. In comparison, at the 460 m site in October and

November between 3 and 64 % of NO2 was from

automobile sources, reflecting the dominance of bio-

genic emissions to ambient NO2 concentrations.

Fig. 4 Total N deposition in kg ha-1 year-1 (NO2 ? HNO3)

along the road gradient using the Roadman high estimate in

comparison with local CASTNET site total N deposition

measurements
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In contrast, d15N–HNO3 did not exhibit a defined

spatial gradient. This suggested that measured HNO3

included N from multiple sources, in addition to

vehicle-sourced NO2. This was likely given the highly

variable deposition velocity and longer atmospheric

lifetime of HNO3 (up to 8 days) and the potential for

regional transport (Neuman et al. 2006). Temporal

trends in d15N–HNO3 were dominated by lower d15N

values at all stations in September relative to other

months. Relative to NO2, d15N–HNO3 values spanned

a smaller range and, apart from September values,

were relatively constant across the stations during the

study period. However, the seasonal variation could

indicate a regional fossil fuel signal; d15N–HNO3 from

regional transport could indicate influence from coal-

burning power plants, with higher values correspond-

ing with increases in electricity usage for summer air

conditioning in July and August and winter heating in

October and November (Fig. 3d).

Effects of automobile emissions on plant tissue

The strong correlation between d15N values and

distance from the road in Bentgrass indicates plants

closer to the road were taking up excess N from a

source with high d15N values. This could directly

result from uptake of isotopically enriched dry depo-

sition from automobile pollution (either via stomatal

or root uptake). Alternatively, Bentgrass pots near the

road may have been subject to accelerated rates of N

cycling due to higher deposition fluxes and thus

subject to additional fractionating mechanisms prior to

root uptake (Dawson et al. 2002). These findings are in

agreement with other studies that report increases in

plant tissue d15N near roadways in comparison with

control sites (Ammann et al. 1999; Pearson et al. 2000;

Saurer et al. 2004). Furthermore, these variations rule

out influence from regional sources, as regional

emissions would likely affect all plants along the

transect.

In contrast, switchgrass d15N values were not

correlated with distance from the road. These results

suggested that the two grass species derived differing

proportions of nutrients from roots, stomatal uptake,

and various reactive N compounds (e.g., NH3, NO2,

and HNO3). While bentgrass may have derived N

nutrition from atmospheric uptake, switchgrass may

have taken up more N through the roots. One potential

explanation for these differences is that, as a C3 plant,

bentgrass has a higher stomatal conductance relative

to C4 species (i.e., switchgrass). For example, Okano

et al. (1988) observed strong correlations between

NO2 uptake and stomatal conductance of several

herbaceous species.

Temporal trends in spatial patterns of d15N also

suggested bentgrass may be a more robust indicator of

atmospheric N uptake than switchgrass. Bentgrass

d15N values were consistently higher at the site close

to the road in August, September and October, perhaps

indicating possible uptake from atmospheric N

sources. Bentgrass d15N values decreased slightly

throughout the months of the study. This was not

necessarily expected given increasing N flux during

those months; however, September through October

marks the end of the plant growing season in this

region, which is characterized by slowed growth and

translocation of N from roots to shoots, which limits N

uptake during this period. In contrast to the temporally

consistent spatial pattern of bentgrass d15N values,

switchgrass d15N varied by month without clear

trends, indicating that atmospheric dry N deposition

may have been a less important nutrient source. This

was further reflected in soil d15N values for switch-

grass and bentgrass. The similarity between switch-

grass tissue and soil d15N values suggested

switchgrass was primarily receiving N nutrition from

the soil. In contrast, d15N of bentgrass soil showed no

clear trends across the transect and was dissimilar to

bentgrass tissue d15N. These results suggested that

bentgrass tissue may have incorporated N derived

from atmospheric sources and thus may be a more

robust biomonitor for atmospheric N than switchgrass.

While the spatiotemporal variations in dry N deposi-

tion, plant tissue, and soil d15N values cannot conclu-

sively determine nutrient sources, uptake pathways, or

fractionation mechanisms, it is anticipated that these

relationships will be the building blocks for future

studies to examine these complex dynamics.

Plant tissue total N and d15N values are generally

not correlated (Pearson et al. 2000), making C:N ratios

in plant tissue another tool that can be used to evaluate

effects of excess N deposition on plants. Both

switchgrass and bentgrass C:N values increased with

increasing distance from the road, indicating that

plants near the road had a higher supply of N available

than plants far from the road. Furthermore, the

temporal variations observed in switchgrass and
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bentgrass C:N ratios also indicated that plants far from

the road were the most N limited; as plants used up

nutrients in the potting soil at stations far from the

road, the C:N ratios increased throughout the study. In

contrast, plants closer to the road received a contin-

uous supply of N deposition, which contributed to

their N nutrition and resulted in lower C:N ratios. This

mechanism can explain why species compositions in

plant communities near roadways often have a greater

proportion of N-tolerant plants (Angold 1997; Bignal

et al. 2007).

C isotopes provided another approach for examin-

ing the impacts of fossil fuel emissions on plant tissue

along the road transect. Because plants utilize atmo-

spheric CO2 during photosynthesis, C isotopes in plant

tissue can indicate the sources of CO2 to which plants

were exposed. The two sources of CO2 in this system

are background atmospheric CO2, characterized by

Fig. 5 Estimated N

deposition within 12 m of

roadways in Southeastern

Pennsylvania. 45 % of

roadways in the

Philadelphia region have N

deposition higher than

background levels measured

by CASTNET in rural

Pennsylvania. On heavily-

trafficked roads, deposition

may be as much as 14 times

higher than background
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d13C of -8 % (Keeling 1958), and fossil fuel CO2

from automobiles, with a d13C value of approximately

-27 % (Bush et al. 2007; Clark-Thorne and Yapp

2003). Thus plants impacted by fossil fuel emissions

were expected to have lower d13C values relative to

plants primarily exposed to ambient CO2. In this

study, both bentgrass and switchgrass had lower d13C

values at the station closest to the road. This was in

agreement with another road transect study in which

d13C values in plant tissue 1 m from a roadway were

*1 % lower than 50 m from the road (Lichtfouse

et al. 2002). This also agreed with a study along a

longer urban to rural transect, where d13C values in

plant tissue were lower at urban sites with higher fossil

fuel emissions (Lichtfouse et al. 2002).

Implications for regional deposition estimates

To explore how these spatial patterns influence

deposition rates in regions with greater traffic vol-

umes, we modeled NO2 ? HNO3 fluxes deposited

within 12 m of Pennsylvania roads using our flux

observations, 2008 traffic volume estimates, and

assuming a linear relationship between traffic volume

and flux (Fig. 5). The results demonstrated that 20 %

of roadways in Pennsylvania likely exceeded back-

ground levels for this region measured by CASTNET

(1.04 kg ha-1 year-1); in urban Philadelphia, this

figure increased to 45 % of roadways. Furthermore,

while moderately trafficked roads were expected to

have deposition fluxes 3–5 times background levels,

up to 14 times background levels were expected in the

most heavily trafficked corridors near urban Philadel-

phia (Fig. 5).

Conclusions

In a meadow abutting a moderately trafficked inter-

state highway, automobile emissions conservatively

contributed four times more N deposition to near-road

environments than regional background deposition.

However, near-road deposition fluxes were not nec-

essarily captured by existing national monitoring

networks designed to measure regional N deposition.

Further, these networks do not measure NO2, a

primary pollutant from automobiles and the dominant

source of N flux in this study. Together, these results

highlight the need for accurate assessment of total

atmospheric N flux to the landscape, establishment of

more precise N budgets, and development of useful

mitigation strategies for atmospheric N pollution,

which will require characterization of deposition

reaching urban and near roadway areas.

Furthermore, the results presented here suggest that

near-road hotspots of increased N deposition are

important, yet poorly constrained, inputs to ecosys-

tems adjacent to and downstream of roadways. For

example, while excess N may negatively impact near-

road vegetation and soils, increased plant uptake of N

near roadways also suggests roadside plants may

potentially be used to mitigate the effects of excess N,

although further research is needed to verify this.

Additionally, roadside storm water infrastructure can

potentially channel excess dry N deposition directly

into sewers and surface water, where elevated nitrate

concentrations in waters can contribute to acidification

and eutrophication. This could be an underestimated

source of reactive N inputs to urban watersheds where

high export rates have been documented (Divers et al.

2012; Groffman et al. 2004; Hatt et al. 2004) and also

to regional coastal watersheds, such as the Chesapeake

Bay, that contain several metropolitan areas and

experience annual hypoxia from nutrient additions.
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Böhlke JK (2001) A bacterial method for the nitrogen

isotopic analysis of nitrate in seawater and freshwater. Anal

Chem 73(17):4145–4153

Singer BC, Hodgson AT, Hotchi T, Kim JJ (2004) Passive

measurement of nitrogen oxides to assess traffic-related

pollutant exposure for the East Bay Children’s Respiratory

Health Study. Atmos Environ 38(3):393–403

Tang YS, Cape JN, Sutton MA (2001) Development and types

of passive samplers for monitoring atmospheric NO2 and

NH3 concentrations. Sci World J 1:513–529
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