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Abstract The effects of drought on salt marsh

sediments from Sapelo Island, Georgia, were exam-

ined in flow-through reactor experiments. Three

hydrological treatments were employed: a continu-

ously flooded anoxic control, a periodic drought

treatment that experienced alternate periods of flood-

ing and drying, and a severe drought treatment, where

sediment was exposed to drought (drying) for several

weeks and then flooded; the effect of both buffered and

non-buffered flooding solutions were examined. In

permanently anoxic sediments as well as in sediments

exposed to drought, organic carbon oxidation was

dominated by SO4
2- reduction (SR) and SR rates

increased over time. The shift from anoxic to oxic

conditions in drought treatments significantly altered

sediment geochemistry and pathways of microbial

metabolism. Drought conditions favored suboxic

mineralization processes, such as Fe(III) reduction

and denitrification, which was fueled by NH4
?

oxidation promoted by O2 delivered during drought

conditions. Other major drought-induced changes

included pH decrease, and altered concentrations of

solid phase adsorbed metals.

Keywords Drought � Salt marsh � Organic matter

mineralization � Dieback

Introduction

Climate change will affect ecosystems through con-

tinued increases in temperature and changes in rainfall

patterns, which may lead to more frequent droughts

and/or flooding events in coastal areas (Findell and

Delworth 2005; Hoerling and Kumar 2003; Manabe

and Wetherald 1986). The impact of temperature

increase and sea level rise in coastal areas has been

examined experimentally (Hazelden and Boorman

1999; Holmer et al. 2002; Laiho 2006; Simas et al.

2001; Weston et al. 2006). In wetlands, it is well known

that hydrological shifts can influence plant communi-

ties (Forbes and Dunton 2006; McKee et al. 2004) and

soil and sediment microbiology and geochemistry

(Knorr and Blodau 2009; Knorr et al. 2008). However,

the impacts of extreme and shifting climatic conditions

are not well understood and the effects of transient

droughts on sediment geochemistry and microbial

pathways and the consequences of these effects on

marsh plant dynamics are poorly constrained.

Spartina alterniflora salt marsh sediments are rich

in organic matter due to high plant production and

sediment trapping (Adam 1990). Oxygen is typically

depleted in the top millimeters and the marsh sediment

column is thus largely anoxic (Furukawa et al. 2004).

Oxic or suboxic microzones in marsh sediments can

be caused by bioturbation (Kostka et al. 2002;

Kristensen and Kostka 2005) or via release of oxygen

through plant roots (Gribsholt and Kristensen 2002;

Holmer et al. 2002). Despite localized or ephemeral
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oxygenation of salt marsh sediments, sulfate (SO4
2-)

reduction is the dominant pathway of anaerobic

carbon oxidation (Howarth and Giblin 1983), though

in some cases, iron (Fe(III)) reduction is equally or

more important (Hyun et al. 2007; Koretsky et al.

2003; Kostka et al. 2002).

Under drought conditions, a decrease in sediment

water content leads to crack formation, which may

increase oxygen penetration into soils, promoting

aerobic processes. With the onset of oxic conditions, a

large fraction of the sediment oxygen consumption is

due to re-oxidation of reduced metabolites (Glud

2008; Soetaert et al. 1996), which fuels elemental

recycling. For example, Fe(II) oxidation renews the

reactive Fe-(hydr)oxide pool, sustaining Fe(III) reduc-

tion (Weiss et al. 2004), while the oxidation of reduced

sulfur compounds prevents sulfate depletion by high

sulfate reduction rates (Moses and Herman 1991).

Intermittent oxic conditions further affect organic

matter mineralization because aerobic metabolism can

break down refractory organic compounds, such as

lignin (Canfield 1994), releasing labile organic com-

pounds that are further oxidized via anaerobic meta-

bolic pathways. Such cooperative metabolism of

complex polymers is particularly important in salt

marsh environments, where a large part of the organic

matter is derived from macrophyte vegetation.

Drought has been identified as a factor promoting

acute salt marsh vegetation dieback along the U.S.

East and Gulf coasts over the last decade (McKee et al.

2004). Marsh dieback could result from drought-

derived changes in soil chemistry, such as decrease in

pH and increased concentration of toxic metals due to

oxidative weathering of metal-sulfides to sulfuric acid

and the concomitant release of sulfide-bound trace

metals (McKee et al. 2004). Thus far, specific

connections between drought, sediment geochemistry,

and marsh dieback have escaped documentation. We

used sediment flow-through reactors to simulate and

evaluate the effects of drought on sediment biogeo-

chemistry and monitor porewater and solid phase

geochemical changes during incubation of intact

sediment from a Sapelo Island (Georgia) salt marsh.

Periods of flooding and drought were simulated by

flushing anoxic water or air, respectively, through the

sediment. Sediments from a recent dieback area were

compared to those from a nearby healthy S. alternifl-

ora marsh to assess whether they responded differ-

ently to periodic, severe and persistent, or no drought

conditions. As pH had been proposed as a potential

master variable for the adverse drought-related impact

on marsh vegetation, we used both buffered and non-

buffered inflow solutions to reveal the effects of fluid

buffering on geochemical dynamics.

Materials and methods

Site description and sampling

Experiments were conducted with salt marsh sediment

from Marsh Landing (Sapelo Island, Georgia, USA).

This site experienced extensive, yet patchy dieback of

the dominant vegetation, S. alterniflora, in spring

2009. Two locations were sampled, one with healthy

vegetation (31.4144, -81.2962) and one with pro-

nounced dieback (31.4150, -81.2954). Eleven intact

sediment cores (4.7 cm inner diameter, 15 cm depth),

free of macro/meiofauna and vegetation, were

collected at each site on May 23 and August 22,

2009 for separate flow-through reactor experiments

(see below). Cores were capped hermetically, trans-

ported to the laboratory in darkness, and stored

overnight at the experimental temperature (25 �C).

The following day, sediment from the 2 to 4 cm depth

interval from nine replicate cores was collected and

quickly transferred into flow-through reactors, where

anoxic conditions were imposed. Sediment from the

same depth from two additional cores was used for

initial solid phase characterization.

Experimental design

For flow-through experiments, a known inflow solu-

tion was pumped through sediment reactors at a

constant flow rate using a peristaltic pump, and solute

concentrations in the outflow water were monitored

over time. Polycarbonate reactors (4.7 cm inner

diameter 9 2 cm high) were enclosed by placing a

cap, with inflow/outflow channels at the center and

radial grooves to promote uniform distribution of the

flowing solutions across the sediment section, at each

end. The sediment was enclosed in the reactor housing

by a glass fiber filter (0.45 lm GFF), a 0.2 lm

nitrocellulose filter, and the reactor caps, which were

held together by steel plates tightened with screws;

O-ring seals between the sediment compartment and

the caps prevented leakage (Pallud et al. 2007).
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In both experiments, three different hydrological

regimes were applied in triplicate: continuous flooding

(control treatment), periodic drought, and severe,

persistent drought. All reactors, along with the peri-

staltic pumps, inflow reservoirs, and tubing, were

placed in an anoxic glove bag. Anaerobic, flooded

conditions were simulated by perfusing the reactors

with anoxic (argon purged) artificial porewater (APW;

Table 1). To simulate drought, sterile (0.2 lm filtered)

air was flushed through a sub-set of the reactors by

removing the inflow tubing from the solution reser-

voirs, relocating the tubing outside the glove bag, and

allowing air to pump through the reactors. The air

exiting the reactors was released through tubing that

extended from the bag. An unreactive tracer, bromide,

was added to the APW to validate the one-dimensional

(1-D) flow regime (Pallud et al. 2007) and to evaluate

the integrity of 1-D flow following the drought

treatments. A flow rate of 1.7 ± 0.1 ml h-1 was

maintained for both fluid and air flow; this flow rate

generated a reactor pore-fluid turnover time of *12 h.

The APW composition differed between the two

experiments, with the addition of HEPES to provide

buffering capacity and lower ammonium levels in the

first experiment (May; Table 1).

The buffered experiment ran for 78 days while

the non-buffered experiment ran for 64 days. During

the initial phase of each experiment, ‘‘Stage 1’’, all

reactors were flushed with APW (19 and 10 days in the

buffered and non-buffered experiment, respectively).

Subsequently, the three hydrological treatments were

applied, ‘‘Stage 2’’, extending for 45 days in the

buffered experiment and 36 days in the non-buffered

experiment. During Stage 2, control reactors contin-

uously received APW, reactors under periodic drought

alternated between air-drying and APW-rewetting

periods (5–10 day cycles), and reactors under severe

drought received a continuous flow of air until they

were flooded near the end of the experiment. Stage 2 of

the periodic drought treatments ended with a rewetting

period in the non-buffered experiment and with an air-

drying period in the buffered experiment. At the end of

the hydrological manipulation, one of the three

replicates was sacrificed for sediment solid phase

analyses (these samples are referred to as ‘‘Post-Stages

1 ? 2’’). The other two reactors were again flushed

with APW during ‘‘Stage 3’’ (13 and 15 days for the

buffered and non-buffered experiment, respectively)

to examine the recovery from drought conditions.

Upon completion of the experiment, sediment solid

phase samples from all remaining reactors were

collected for subsequent analysis (these samples are

referred to as ‘‘Post-Stage 3’’).

Water exiting the flow-through reactors was sam-

pled every 2 or 3 days for dissolved geochemical

analyses during Stages 1 and 3, and during the flooding

periods of Stage 2. The input reservoirs were sampled

throughout the experiment and no significant devia-

tion from original conditions was observed. Water

exiting the reactors was collected into 30 ml syringes

connected to the outflow tubing. The flow rate was

monitored by measuring the volume collected in the

syringes over a known period of time.

Dissolved species analyses

Upon collection, fluid was apportioned into different

clean (acid-washed, ultrapure water rinsed, and then

combusted at 500 �C for 4 h) vials for various

analyses. One ml of sample was used to determine

pH using a Thermo� electrode and Thermo� Orion�

4-star pH meter. Five ml of sample was injected into a

He purged and crimp-sealed 15 ml headspace vial

and acidified with 0.1 ml of concentrated phosphoric

acid for subsequent analyses of CH4 (Joye et al. 2004)

and N2O (Joye and Paerl 1994) concentration. For

dissolved inorganic carbon (DIC) analysis, 1 ml of

unfiltered sample was injected into a sealed 15 ml

glass vial containing 1 ml of concentrated phosphoric

Table 1 Elemental composition of the artificial porewater

(APW) used as inflow solution in the reactors

Buffered Non-buffered

NaCl (mM) 300 300

Na2SO4 (mM) 20 20

MgCl2 (mM) 15 15

KCl (mM) 5 5

CaCl2 (mM) 2 2

NaHCO3 (mM) 1 1

NH4
? (mM) 0.01 1

HPO4
2- (lM) 200 200

Lactate (lM) 250 250

Acetate (lM) 250 250

NaBr (mM) 1.5 1.5

HEPES (mM) 30 –

pH 7.8 7.8
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acid to convert DIC to CO2 and 1 ml of a saturated

CuSO4 to eliminate sulfide interference during anal-

ysis using a Li-COR� infrared carbon analyzer (LI-

820). Ten ml of sample was filtered through a 0.2 lm

filter (Target� cellulose, pre-flushed with ultrapure

water and air-dried) into a 15 ml polypropylene tube

containing 1 ml of 2 N HCl for sulfate (SO4
2-),

phosphate (HPO4
2-), bromide (Br-), dissolved

reduced iron and manganese (Fe2?, Mn2?), and trace

element (Al3?, Cu2?, Zn2?, Ba2?, Cd2?, and Pb2?)

analyses. SO4
2-, HPO4

2- and Br- were quantified

using ion chromatography (Dionex� ICS-2000). Dis-

solved Fe and Mn concentrations were quantified

using atomic absorption spectrophotometry (AA,

Perkin-Elmer� AAnalyst 200); speciation between

Fe2? and Fe3? was determined using the Ferrozine

method (Viollier et al. 2000). Dissolved Mn was

assumed to be present as Mn2?. Trace elements were

quantified using inductively coupled mass spectrom-

etry (ICP-MS, Perkin-Elmer� Elan 6000) using water

samples collected at time zero, at the last time point of

Stage 1, and during the final re-flooding period after

the treatments (Stage 3).

The remaining porewater sample was filtered

(0.2 lm) and split between the following analyses:

NOx (NO3
- ? NO2

-), ammonium (NH4
?), dissolved

organic carbon (DOC), total dissolved nitrogen

(TDN), and hydrogen sulfide (HS-). For NH4
?, 2 ml

of sample were preserved with 0.1 ml of phenol in a

7 ml glass vials and the concentration was quantified

using colorimetric techniques (Solorzano 1969). The

NOx concentration was quantified using an Antek�

vanadium reduction and nitric oxide chemilumines-

cent detection system (745 reduction unit and 7050

NO analyzer). DOC and TDN were analyzed on a

Shimadzu� total organic carbon analyzer (TOC-V)

with a Total nitrogen measurement unit (TNM-1).

Dissolved organic nitrogen (TON) was estimated by

difference (TDN - (NH4
? ? NOx)). Samples for

HS- quantification were preserved with 0.5 ml of 20

weight % zinc-acetate and the concentration was

determined using colorimetry (Cline 1969).

Sediment solid phase analyses

Solid phase characterization was performed on initial

samples (2 cores), at the end of stage 2 (1 reactor per

treatment), and at the end of stage 3 (2 reactors per

treatment). Each solid phase analysis was performed

on 3 subsamples from each reactor to assess cm-scale

variability. Sediment sub-samples were frozen under

anoxic conditions for subsequent analysis of Fe and

Mn oxyhydroxides and exchangeable NH4
?. For total

reduced sulfur (TRS) analysis, sub-samples were

preserved in Zn-acetate. A known volume of sediment

was dried (80 �C) to determine porosity and bulk

density and then it was ground using a mortar and

pestle and stored for subsequent analysis of C and N

content, and extractions of total P, Fe, and Mn.

Total C (TC) and total N (TN) were determined

using high temperature combustion (Thermo Finni-

gan� Flash 1112 Series elemental analyzer). Total

organic carbon (TOC) was determined separately after

removal of inorganic carbon by fuming with hydro-

chloric acid (Hedges and Stern 1984); the carbonate

content (TIC) was estimated by difference

(TIC = TC - TOC). Total P, Fe, and Mn were

extracted according to Poulton and Canfield (2005).

Concentrations of Fe and Mn in the digestion extracts

were quantified using the atomic adsorption spectros-

copy (AAS); P concentrations were measured color-

imetrically (Murphy and Riley 1962).

Solid phase Fe(III) and Mn(III/IV) oxyhydroxides

were sequentially extracted. Adsorbed Fe2? and Mn2?

were extracted using buffered ferrozine (Hyacinthe

et al. 2006) immediately after reactor disassembly.

The concentrations of Fe2? and Mn2? in the ferrozine

extract were measured using AAS. Analyses of

HPO4
2-, Al3?, Cu2?, Zn2?, Cd2? and Pb2? were also

conducted in the ferrozine extracts using ICP-MS.

Amorphous and poorly crystallized Fe and Mn

minerals (e.g. ferrihydrite) were extracted with ascor-

bate at pH 7.5 (Hyacinthe and Van Cappellen 2004).

Then, well-crystallized oxides (e.g. goethite and

hematite) were extracted using sodium dithionite

(pH 4.8; Poulton and Canfield 2005). TRS

(H2S ? FeS ? FeS2 ? S0) was extracted in an acidic

Cr2? solution (Fossing and Jorgensen 1989; Ulrich

et al. 1997). The acid volatile sulfide (AVS) fraction of

TRS (AVS = FeS ? H2S) was quantified separately

by a simple acid extraction (Morse and Cornwell

1987). Sediment-exchangeable NH4
? was extracted

with 2N NaCl (Weston et al. 2006) and quantified

using standard colorimetric techniques (Solorzano

1969).
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Rate calculations

For adsorbed (Fe2?, HPO4
2-, and NH4

?) and solid

phase constituents (Fe(III)-oxides, Mn(IV)-oxides,

TIC, TRS, and TP), net rates were calculated for

Stages 1 ? 2 and Stage 3, respectively, from the

difference in concentrations at the start (Cst) and the

end (Cend) of each period (T, in hours):

R ¼ Cend � Cstð Þ = T ð1Þ
For dissolved constituents (DIC, SO4

2-, HS-,

Fe2?, Mn2?, HPO4
2-, and NH4

?) rates of consump-

tion or production were calculated for each sampling

point during wet periods, and net rates over Stages

1 ? 2 and Stage 3 were then calculated as:

R ¼
X

Cout tð Þ � Cinð Þ � Q =V � Dtf g=T ð2Þ

where Q is the volumetric flow rate, V the volume of

the reactor cell, Cin the concentration in the inflow and

Cout the concentration in the reactor outflow. The sum

accounts for all time intervals (Dt) in which net

production/consumption was detected.

Net rates for organic matter breakdown were

estimated as:

X
CEST ¼ SRþ FeRþMnRþ DNF ð3Þ

where
P

CEST is the total anaerobic organic matter

mineralization associated with microbial SO4
2-

reduction (SR), Fe(III) reduction (FeR), Mn(IV)

reduction (MnR) and denitrification (DNF), respec-

tively. Net rates of SR were estimated using Eq. 2 for

periods in which sulfate concentrations in the inflow

exceeded those in the outflow; FeR and MnR net rates

from consumption of total reducible Fe(III)- and

Mn(IV)-oxides, respectively; and DNF net rates from

NO3
- consumption following each period of drought

(assuming it equivalent to NO3
- consumption), which

applies to Stages 2 and 3 in reactors experiencing

drought. Net inorganic carbon production from SR,

FeR, MnR and DNF was estimated using ratios of 2,

0.25, 0.5 and 1.125 C produced per SO4
2-, Fe(III),

Mn(IV) and NO3
- consumed, respectively (Canfield

et al. 2005).

Sulfide oxidation and nitrification net rates were

estimated from the difference between inflow and

outflow concentrations (following Eq. 2) during the

respective time periods when SO4
2- concentrations in

the outflow exceeded those in the input and when

NH4
? concentrations in the outflow were lower than

those in the inflow (assuming that all NH4
? consumed

was oxidized during drought periods and that NH4
?

assimilation by bacteria was not important), corrected

by the amount of NH4
? desorbed during drought

relative to control reactors.

Results

Geochemistry

Imposed drought conditions did not significantly

affect porewater flow patterns through the reactors

(data not shown). No significant differences were

observed in dissolved constituents between vegetated

and dieback sediments (p \ 0.05), so the results

reported represent the average of the two sediment

types. However, significant differences in solid phase

constituents were often observed between the two

sediment types so those results are reported separately.

Strong treatment effects were noted in both the

buffered and non-buffered experiments, as described

below.

pH

In the buffered experiment control reactors, no

significant change in pH over time was noted

(7.7 ± 0.1; Fig. 1a). In contrast, drought-impacted

reactors exhibited a significant pH decrease (by 0.2 to

0.4 pH units, p \ 0.001) that recovered gradually after

re-flooding. In the non-buffered experiment, the pH of

control reactor outflow was stable (6.9 ± 0.1) during

the first 20 days, and then increased gradually to 7.8,

the pH of the inflow solution (Fig. 1b). The outflow

from the periodic and severe drought reactors exhib-

ited significant pH drops (by 0.3 to 0.5 pH units,

p = 0.002). Though the pH increased during Stage 3

of the non-buffered experiment, even after 2 weeks of

flushing, the pH in the drought reactors was lower than

that observed in the controls.

Dissolved carbon

Buffer addition affected DIC concentration patterns

(Fig. 1c, d). For control reactors, DIC in the reactor

outflow was relatively constant (2–3 mM) over the
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course of both experiments. However, after drought

periods in the buffered experiment, DIC concentra-

tions increased significantly by a factor of 1.6–2.3

compared to the control. In contrast, in the non-

buffered experiment, post-drought DIC concentra-

tions decreased to 70–90 % of the concentration

observed in control outflow water. CH4 concentra-

tions (between 0 and 2 lM; data not shown) were

insignificant compared to DIC. No significant differ-

ences (p \ 0.05) in DOC concentrations were

observed over time or between treatments (data not

shown).
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Fig. 1 pH and concentrations of dissolved inorganic carbon

(DIC), sulfate, reduced iron, and phosphate, in the flow-through

reactor outflowing water in the buffered (panels on the left) and

non-buffered experiment (panels on the right). Data from the

vegetated and the dieback sites were averaged. Values are

mean ± standard deviation (S.D.); n = 6 from day 0 to day 64

(buffered) and to day 46 (non-buffered), and n = 4 from then to

the end of the experiments. The gray areas indicate the periods

of drought; the light gray zone corresponds to the time periods in

which only the severe drought reactors were drying and the

periodic drought reactors were flooded. The horizontal dashed
line indicates the concentration in the inflow solution concen-

tration (0 for Fe2?)
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Sulfate and sulfide

Sulfate concentrations in the outflow water exceeded

that in the inflow (20.5 mM) during Stage 1 (p \ 0.001)

(Fig. 1e, f). Soon after, SO4
2- concentrations in the

control outflow were close to 20.5 mM. SO4
2- concen-

tration increased significantly (p \ 0.05) in response to

drought in both experiments but returned to control

levels within 3–4 days of re-flooding. During Stage 3, a

significant decrease (p \ 0.05) in sulfate concentration

relative to the inflow concentration was observed

consistently. Sulfide concentrations (data not shown)

were below detection in the buffered experiment, but

reached roughly 60 lM at the end of Stage 3 in the non-

buffered experiment.

Iron

During Stage 1 of both experiments, Fe2? in the

outflow water of all the reactors exceeded inflow

concentrations (Fig. 1g, h), with maxima of 63 ± 6

and 135 ± 7 lM in the buffered and non-buffered

experiments, respectively. Fe2? concentrations were

significantly higher than controls only in the severe

drought treatments during Stage 3 (p \ 0.05). Dis-

solved Fe2? concentrations showed substantial vari-

ability between reactors, in particular in the non-

buffered experiment.

The hydrological regime had distinct impacts on the

concentrations of adsorbed Fe2? (Fig. 2). Between the

start of the experiment and the end of Stage 2, adsorbed

Fe2? concentrations increased significantly (p \ 0.001)

in control treatments in both experiments and with

periodic drought in the buffered experiment and dieback

sediments of the non-buffered experiment. In contrast,

severe drought in vegetated sediments of both experi-

ments and periodic drought in vegetated non-buffered

sediments caused significant decreases in adsorbed

Fe2? concentrations. During Stage 3, adsorbed Fe2?

concentrations either increased or remained at similar

levels, with the exemption of control vegetated sedi-

ments in the non-buffered experiment, whose concen-

trations significantly decreased (p \ 0.05).

Inorganic phosphorus

In the buffered experiment, HPO4
2- concentration in

the outflow were comparable to those in the inflow

solution (*190 lM) after the Stage 1 (Fig. 1i). Under

drought conditions, HPO4
2- concentrations dropped

and were significantly lower than in the control, before

gradually recovering during re-flooding. In the non-

buffered experiment (Fig. 1j), concentrations of

HPO4
2- in the outflow were below those of the inflow

solution until day 32. During Stage 3, HPO4
2-

concentrations generally increased over time, with

highest values observed in the control reactors (up to a

maximum of 523 lM in the non-buffered experiment).

Drought conditions significantly increased

adsorbed P relative to initial concentrations after

Stages 1 ? 2 (p \ 0.05, Fig. 2), except for control

reactors in the non-buffered experiment. During Stage

3, a general decrease in adsorbed P was observed,

though it was only statistically significant in vegetated

sediments in the buffered control reactors, and

buffered dieback sediments in the periodic drought

reactors.

Inorganic nitrogen

Similar patterns for NH4
? and NOx concentrations

exiting the reactors were observed in both experiments

(Fig. 3a–d). During Stage 2, NH4
? in the outflow

water of the control reactors closely matched the

inflow concentrations, and NOx concentrations

remained below 2 lM. Drought induced a dramatic

decrease in NH4
?, and—with the exception of one

drying period—a significant increase in NOx. Follow-

ing drought, NH4
? returned gradually to the inflow

solution concentration; NOx concentration increased

briefly following re-flooding.

Exchangeable NH4
? increased significantly

(p \ 0.001) in flooded control reactors of both exper-

iments and periodic drought reactors of the buffered

experiment (Fig. 2), reaching comparable maximum

levels (*6 lmol gDW-1) in both experiments. In

contrast, after severe drought (both experiments) and

in the periodic drought reactors in the non-buffered

experiment, NH4
? concentrations were lower than

initial levels. After Stage 3, exchangeable NH4
?

increased in all the drought-exposed reactors and

approached control levels.

Trace metals

Pore water dissolved Mn2?, Ba2?, Cu2?, Zn2? and

Al3? concentrations during Stage 3 are presented

relative to the concentrations at the end of Stage 1
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(Fig. 4). Most of these elements exhibited the lowest

concentrations in the controls and the highest in the

drought reactors, with significant differences

(p \ 0.05) observed only in the buffered experiment.

A contrasting pattern was observed for Al3? in the

non-buffered experiment, where concentrations were

highest in controls at certain time points. Concentra-

tions of Cd2?and Pb2? in the pore water were below

detection (not shown).

The concentration of the adsorbed trace metals

decreased significantly between the start of the non-

buffered experiment and the end of Stage 2, except for

Cd2? in vegetated control reactors and Zn2? in the

drought treatments (Fig. 5). In contrast, in the buffered

experiment, adsorbed concentrations in most reactors

did not show significant changes during Stages 1 ? 2,

except for a decrease in most reactors for Mn2? and

Pb2?, and Cd2? in the controls, and an increase for

Zn2? in vegetated buffered sediments for all reactors.

Flooding in Stage 3 in the non-buffered experiment

only affected significantly Mn2? concentrations. In the

buffered experiment, adsorbed concentrations were

significantly lower for Zn2?, Al3? and Cd2? but higher

in Mn2? in vegetated sediments of severe drought

reactors and significantly higher in Cu2? for vegetated

sediments of periodic drought reactors; significant

differences were also observed for Pb2? in dieback

sediments of drought reactors.

0

0.2

0.4

0.6

0.8

1.0

1.2

F
e 

2+
(µ

m
ol

 g
D

W
- 1

)

0.0

0.1

0.2

0.3

H
P

O
42-

(µ
m

ol
 g

D
W

-1
)

N
H

4
+

(µ
m

ol
 g

D
W

-1
)

0

2

4

6

Buffered vegetated Buffered dieback Non-buffered diebackNon-buffered vegetated

Post -
Stages 1+2

Post -
Stage 3

Post -
Stages 1+2

Post -
Stage 3

Post -
Stages 1+2

Post -
Stage 3

Post -
Stages 1+2

Post -
Stage 3

* *

*

*

*

*

*

* *

*

*
*

*

* *

*
* * *

* *

*

*
*

*

*

*

*

*

*

*
*

*

*

*

*

*

*

*

*

*
*

*

*

*

*

Control
Periodic drought
Severe drought

Fig. 2 Concentrations of reduced iron (Fe2?), phosphate

(HPO4
2-), and ammonium (NH4

?) adsorbed to the sediment

solid phase of the flow-through reactors. In each row, data are

from the buffered (left two columns) and the non-buffered

experiment (right two columns) are presented for the control

(black), periodic drought (dark grey) and severe drought (dots)

treatments. Average ± standard deviation (n = 3) of the initial

concentrations are indicated by the horizontal line and

diagonally shaded area. Values ‘post-stages 1 ? 2’ are the

average of triplicate measures in one reactor. Values ‘post-stage

3’ are the average of triplicate measures in two reactors.

Significant statistical differences (p \ 0.05, pair wise) from
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to ‘‘post-stage 3’’ concentrations are noted (asterisk)
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Total reducible Fe(III)-oxides

Concentrations of total reducible Fe(III)-oxides

(ascorbate- plus dithionite- extracted) after Stages

1 ? 2 were significantly lower than initial concentra-

tions (p \ 0.05), except in vegetated sediments of

drought reactors in the buffered experiment and

dieback sediments of periodic drought reactor in the

non-buffered one (Fig. 6).

Total reducible Mn(IV)-oxides

Reducible Mn(IV)-oxide concentrations decreased

significantly between time zero and the end of Stage

2 in control (both sites) and dieback sediments of the

periodic drought reactors of the buffered experiment,

and in all treatments at the dieback site of the non-

buffered experiment (Fig. 6).

Total inorganic carbon

Sediment carbonate content differed significantly

between the two collection dates for both vegetated

and dieback sites (p \ 0.05). During Stages 1 and 2 in

the buffered experiment, TIC content increased

significantly (p \ 0.001) in all vegetated sediments

and in the dieback sediment under drought treatments

(Fig. 6). TIC concentrations were often significantly

higher in drought reactors than in control reactors. In

the non-buffered experiment, TIC concentrations after

Stage 2 were not significantly different from the initial

values, which were extremely variable. After Stage 3,

TIC concentrations increased in control reactors in

dieback sediments of the buffered experiment and

in vegetated sediments of control and periodic drought

reactors in the non-buffered one, but decreased in the

non-buffered dieback sediments under periodic

drought.

Reduced sulfur

Sediment TRS increased with the continuous flooding

in control reactors in both experiments (p \ 0.05)

during Stages 1 ? 2, reaching the highest concentra-

tions (76–80 lmol gDW-1) after Stage 3 in the non-

buffered experiment (Fig. 6). The periodic drought

treatment often generated a larger TRS pool than

severe drought, but TRS concentrations never

exceeded 40 lmol gDW-1. AVS, which was only

above detection in control sediments (both experi-

ments) and in vegetated sediment from the periodic

drought treatment of the buffered experiment, repre-

senting between 21 and 71 % of the TRS. In the

buffered experiment, AVS was only detected after

Stage 3.

Total phosphorus

During Stages 1 ? 2, total phosphorus (TP) increased

significantly from initial concentrations (p \ 0.05,
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Biogeochemistry (2013) 112:389–407 397

123



0

50

100

150

200

52 54 56 58 60

Z
n 

2+
(%

)
A

l3+
(%

)
C

u2+
(%

)
M

n2+
(%

)

Days (Stage 3)

0

50

100

150

200

0

50

100

150

200

0

50

100

150

200
Buffered Non-buffered

Control
Periodic drought
Severe drought

S
ta

ge
 2

S
ta

ge
 2

Days (Stage 3)

59 62 65 68 7156

B
a2+

(%
)

0

50

100

150

200

0.8 
0.2 µM

1.3 
0.2 µM

1.8 
0.2 µM

2.1 
0.4 µM

0.3 
0.01 µM

0.1 
0.02 µM

2.9 
0.2 µM

1.6 
0.2 µM

9.6 
2 µM

14.2 
2 µM

Fig. 4 Percentage of

dissolved Mn2?, Ba2?,

Cu2?, Zn2?, and Al3?

concentrations during Stage

3 relative to the average

concentration in each

experiment prior to the

treatments (i.e. at the end of

Stage 1, at day 19 and 10 in

the buffered and non-

buffered experiment,

respectively; n = 4)

398 Biogeochemistry (2013) 112:389–407

123



0

20

40

0

3

6

9

12
0

0.02

0.04

C
u 

2+
(n

m
ol

 g
D

W
-1

)

0

50

100

150

A
l 3+

(n
m

ol
 g

D
W

-1
)

Z
n 

2+
(n

m
ol

 g
D

W
-1

)

0.00

0.01

0.02

0.03

0.00

0.02

0.04

0.06

0.08

C
d 

2+
(n

m
ol

 g
D

W
-1

)
P

b2+
(n

m
ol

 g
D

W
- 1

)

Post Stages 1+2 Post Stage 3

M
n 

2+
(µ

m
ol

 g
D

W
- 1

)

Post Stages 1+2 Post Stage 3 Post Stages 1+2 Post Stage 3 Post Stages 1+2 Post Stage 3

Buffered vegetated Buffered dieback Non-buffered diebackNon-buffered vegetated

Control
Periodic drought
Severe drought

* *

* *

**

*

**
*

*

** *

*

*

*
*

*
* *

* *
**

*

*

* **
*

*

*
* *

* *
*

*

*

* *

*
* *

*

*

*

*
*

* * * * *

*

*

*

Fig. 5 Concentrations of adsorbed Mn, Cu, Zn, Al, Cd, and Pb in buffered (left two columns) and non-buffered experiments (right two
columns). See caption Fig. 2 for details

Biogeochemistry (2013) 112:389–407 399

123



Fig. 6), except in control reactors (both sites) and

vegetated sediments in periodic drought reactors in the

buffered experiment. In the non-buffered experiment,

the largest increases were observed in control reactors,

while in the buffered one, higher concentrations were

observed after drought. During Stage 3, significant

changes were only detected in periodic drought

reactors from vegetated sediments in the buffered

T
P

 (
µ

m
ol

 g
D

W
-1

)

0

10

20

30

40

50

0

1

2

3

T
R

ed
 M

n(
IV

) 
(µ

m
ol

 g
D

W
-1

)

0

20

40

60

80

100

T
R

S
 (

µ
m

ol
 g

D
W

-1
)

0

200

400

100

300

T
IC

 (
µ

µ
m

ol
 g

D
W

-1
)

Post -
Stages 1+2

Post -
Stage 3

Post -
Stages 1+2

Post -
Stage 3

Post -
Stages 1+2

Post -
Stage 3

Post -
Stages 1+2

Post -
Stage 3

0

200

400

100

300

T
R

ed
 F

e(
III

) 
(µ

µ
m

ol
 g

D
W

-1
)

Buffered vegetated Non-buffered diebackNon-buffered vegetatedBuffered dieback

*

*
*

Control
Periodic drought
Severe drought

*
* *

*

**

*
*

*
*

*
*

*

*
*

*

*

*

*

*
*

*

*

* *

*

*

*

* *
*

***

*

** *
*

*

*

Fig. 6 Concentrations of total reducible (TRed) Fe(III)-oxides,

TRed Mn(IV)-oxides, total inorganic carbon (TIC), total

reduced sulfur (TRS), and total phosphorus (TP) in the reactor

solid phase. Vertical striped area represents AVS fraction of

TRS. See caption Fig. 2 for details
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experiment and in dieback sediments in the non-

buffered one.

Microbial rates

Estimated anaerobic C production (
P

CEST), com-

puted as the sum of SO4
2- reduction (SR), Fe(III)

reduction (FeR), Mn(IV) reduction (MnR) and deni-

trification (DNF) (Eq. 3), was compared to carbon

produced in terminal metabolism (
P

CMSD) measured

as the sum of DIC and CH4 production (Eq. 2) and TIC

accumulation (Eq. 1). During Stages 1 ? 2 of the

buffered experiment,
P

CMSD was consistently higher

than
P

CEST in all the reactors (Fig. 7).

SR accounted for the majority of terminal metab-

olism (an average of 79 and 64 % of
P

CEST, in

buffered and non-buffered experiments, respectively;

Fig. 7), and the SR contribution was usually lower in
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Fig. 7 Left panels net rates of anoxic inorganic carbon

production (
P

C) in buffered (top panel) and non-buffered

(bottom panel) experiments, during Stages 1 ? 2 and Stage 3

derived from C measurements (
P

CMSD = DIC ? CH4 ? TIC

production) and estimated net consumption rates of terminal

electron acceptors (
P

CEST = SR ? FeR ? MnR ? DNF),

respectively. Error bars denote ±1 standard deviation of

measured DIC, CH4 and TIC production rates. Right panels

estimated contribution of SR, FeR, MnR, and DNF terminal

electron accepting processes (TEAP) to total anaerobic organic

carbon oxidation in buffered (top) and non-buffered (bottom)

sediments. veg and db denote vegetated and dieback sites,

respectively. SR = SO4
2- reduction, FeR = Fe(III) reduction,

MnR = Mn(IV) reduction, and DNF = denitrification. See text

for details
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drought compared to control reactors. For drought-

impacted reactors, the minimum SR contribution

(12 %) was observed in Stages 1 ? 2 in the non-

buffered experiment for dieback sediments under

severe drought. SR increased in all the reactors

from Stage 1 ? 2 to Stage 3 (average net rates were

17 ± 13 and 96 ± 31 nmol C cm-3 h-1, respec-

tively), although differences were only significant in

non-buffered sediments in control and periodic drought

treatments (p \ 0.05). Nonetheless, drought reactors

consistently showed lower average rates than controls

(20–40 % lower) during Stages 1 ? 2. No differences

in net SR rates were observed between vegetated and

dieback sediments or between experiments.

The largest contribution of FeR to terminal metab-

olism in both experiments was observed in drought-

influenced reactors, coinciding with low average SR

rates. On average, FeR accounted for 25 and 49 % of

terminal metabolism in drought reactors during Stages

1 ? 2, in buffered and non-buffered experiments,

respectively. During Stage 3, the contribution of FeR

to metabolism in drought reactors decreased (to 14 and

8 % on average for buffered and non-buffered reac-

tors), but was still larger than in control reactors

(3.5 % on average). Variability in FeR rates was high

and no significant differences were observed between

stages, treatments, experiments, or sites. However,

average net rates, which varied between 1 and

15 nmol C cm-3 h-1, consistently tended to be

higher in non-buffered versus buffered experiment,

and in dieback versus vegetated sediments.

DNF contributed to terminal metabolism in sedi-

ments that were exposed to drought during the anoxic

periods that followed drought (wet periods in Stages 2

and 3). DNF was ephemerally detected (only in

7–15 % of the total time in wet conditions), with net

rates up to 320 nmol C cm-3 h-1. The net contribu-

tion of DNF to terminal metabolism during Stages

1 ? 2 was minimal (0.4 %) in periodic drought

reactors of the buffered experiment, but up to 17 %

in the non-buffered experiment. In the drought reac-

tors during Stage 3, DNF represented an average of 11

and 22 % of total
P

CEST produced in buffered and

non-buffered experiments, respectively.

MnR rarely accounted for more than 1 % of organic

carbon mineralization; its contribution was higher

in dieback periodic drought reactors during Stages

1 ? 2 and severe drought reactors during Stage 3

in the buffered experiment. MnR net rates in control

and drought reactors varied between 0 and

0.6 nmol C cm-3 h-1.

Discussion

Dissimilatory SO4
2- reduction was generally the

dominant mode of anaerobic terminal metabolism in

both experiments, while Fe reduction played a

secondary, and DNF in drought reactors only a tertiary

role (Fig. 7); Mn reduction was not significant. The

transition from SR and FeR to primarily SR reduction

suggests that sediment characteristics changed over

time, a trend that was also reflected in changes in pH

and P dynamics (Fig. 1), most prominent in the non-

buffered experiment. Exposure to oxic conditions

associated with drought stimulated oxidation of sul-

fides, ammonium, and Fe(II) (Figs. 1, 2, 3, and 6) and

altered patterns of microbial activity when anoxic

conditions were reestablished, increasing the contri-

bution of FeR and DNF to terminal metabolism

(Fig. 7). Periodic and severe drought treatments

generated similar effects. However, in the buffered

experiment the alternation of oxic and anoxic condi-

tions in periodic drought treatments enhanced surface

adsorption of multiple geochemical species (Figs. 2,

5). Both the buffered and non-buffered experiment

showed similar trends between the three treatment

regimes, but the relative contribution of terminal

metabolic pathways was more affected under non-

buffered conditions.

Major microbial and geochemical processes

in the anoxic control reactors

The prevalence of dissimilatory SO4
2- reduction was

evidenced by the consumption of SO4
2- and produc-

tion of sulfide (as H2S and TRS), while Fe reduction

was illustrated by the production of dissolved Fe2?,

increases in adsorbed Fe2?, and decreases in Fe(III)-

oxide concentration over time (Figs. 1, 2, and 6).

Production of dissolved Mn2? (data not shown) and

consumption of Mn-oxides (Fig. 6) suggest that

Mn(IV) reduction also occurred; however, low con-

centration of Mn-oxides limited the contribution of

dissimilatory MnR to
P

CEST (Fig. 7). Neither meth-

anogenesis (no observed methane production) nor

denitrification (no nitrate added to input solution)

played a significant role in C mineralization in control
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treatments. Net SR, FeR and MnR reduction rates

(Fig. 7) combined accounted for 40 to 100 percent of

the combined production of DIC, CH4 and TIC

(=
P

CMSD). Significant differences between
P

CEST

and
P

CMSD occurred in the Stages 1 ? 2 of the

buffered experiment and were likely due to carbonate

precipitation (triggered by the composition of the

input solution), consistent with computed oversatura-

tion for both calcite and siderite under the experimen-

tal conditions.

The net rates of SR during Stage 3 in control

reactors were in average of 130 nmol C cm-3 h-1

and accounted for 95–97 % of
P

CEST (Fig. 7).

During Stages 1 ? 2, SR also accounted for the

majority of organic matter breakdown (70–90 %), but

rates were significantly lower (on the order of

40 nmol C cm-3 h-1), suggesting a larger role for

FeR. Consistent with the increase of SR rate over time,

dissolved HS- was only detectable during Stage 3

(in non-buffered experiment, data not shown).

Iron reduction was the second most important

metabolic pathway, accounting for 17–26 % (Stages

1 ? 2) and 3–4 % (Stage 3) of
P

CEST (Fig. 7). The

higher FeR rates in control reactors during Stages

1 ? 2 versus Stage 3 coincided with more elevated

dissolved Fe2? concentrations (Fig. 1). However,

production of dissolved plus adsorbed Fe2? repre-

sented only 2–6 % of the observed decrease in Fe(III)-

oxides. Adding reduced iron sulfide precipitates

(estimated from TRS accumulation), FeR rates

accounted for 70–100 % of Fe(III)-oxides reduced in

Stage 3, and between 20 and 45 % in Stages 1 ? 2.

The discrepancy during Stages 1 ? 2 indicate addi-

tional Fe2? sinks. Siderite and vivianite were oversat-

urated (X[ 1) consistently, suggesting that Fe2? was

also removed via precipitation as phosphate and/or

carbonate minerals. From Stages 1 ? 2 to Stage 3, net

rates of FeR decreased 3–4 and 9–10 fold, in buffered

and non-buffered experiments, respectively. While

numerous factors can affect the reactivity of iron oxides,

our data is consistent with a passivating role of Fe2?

adsorption (Fig. 2; Roden and Urrutia 2002; Weston

et al. 2006; Zachara et al. 2001). Moreover, during Stage

3 (but not in Stages 1 ? 2), the dithionite extracted iron

oxide pool no longer decreased over time, suggesting

that this pool was no longer bioavailable.

Notable changes in solution composition in the

control reactors include the increase of porewater pH

over time in the non-buffered experiments. pH affects

adsorption dynamics and could have been associated

with the changes in dissolved HPO4
2- concentrations

over time in the non-buffered experiment (Fig. 1).

However, as adsorption accounted only for 6–7 % of

dissolved HPO4
2- consumed from the input solution

during Stages 1 ? 2, dissolved HPO4
2- concentra-

tions were apparently controlled by mineral solubility

(Fig. 6), consistent with the findings of Weston et al.

(2006). During Stage 3, desorption could account for

only 1 % of the observed increase of dissolved

HPO4
2- concentrations, which therefore was likely

caused by dissolution of P-bound minerals (Hyacinthe

and Van Cappellen 2004; Weston et al. 2006).

Drought effects on sediment biogeochemistry

and microbial processes

Drought effects were manifest through transient

changes in porewater composition after re-establishing

flow following periods of imposed drought and by

changes in solid phase composition. The contribution

of SR to total anoxic organic carbon mineralization

(
P

CEST) during Stages 1 ? 2 was usually lower in

drought than in control reactors (reflecting lower SR

average rates), and other microbial pathways were

more important (Fig. 7). Drought-driven alteration of

oxic-anoxic conditions resulted in sulfide oxidation

reactions during drought periods, evidenced by peaks

in SO4
2- concentration (Fig. 1) and lower TRS con-

centrations in drought reactors compared to controls

(Fig. 6), and the subsequent production of reduced S

during anoxic periods. Sulfide oxidation rates during

dry periods ranged from 4 to 20 nmol S cm-3 h-1.

Fe(III) reduction rates during Stages 1 ? 2 did not

significantly differ between drought and control

reactors, but because of lower SR average rates in

drought reactors, FeR contributed more to anoxic

mineralization of organic matter in the drought

reactors (Fig. 7). The contribution of FeR was partic-

ularly enhanced in non-buffered conditions and in

dieback sediments, which exhibited larger average

values of FeR. In both cases, enhanced FeR coincided

with a larger decrease in dithionite-extractable Fe(III)-

oxides (73 % in the non-buffered versus 31 % in the

buffered experiment; and between 6 and 11 % more in

dieback versus vegetated sediments). Additionally, the

pH difference between the two experiments may have

promoted FeR in non-buffered reactors; at the pH

range of the experiments, lower pHs can favor
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desorption of Fe2? from the Fe(III)-oxide surfaces

(Appelo et al. 2002), thus potentially increase Fe(III)

bioavailability (Roden and Urrutia 2002; Roden and

Zachara 1996; Weston et al. 2006).

During drought periods, TRS compounds were

consumed significantly, presumably also resulting in

the oxidation of reduced Fe contained in iron sulfides

minerals. However, geochemical evidence for dis-

solved Fe2? oxidation was not clear (Fig. 1), and

Fe(III)-oxide concentrations ‘‘post-Stages 1 ? 2’’

were not significantly higher in drought versus control

reactors (Fig. 6). The absence of a more clear signa-

ture of Fe oxidation in the solid phase is attributed

(i) to the presence of both oxidative and reductive

processes over the duration of the combined

Stages1 ? 2, and (ii) the large background and

significant variability of Fe-oxides concentrations

between reactors, both of which mask drought-

induced signatures. Decreases in adsorbed Fe2? con-

centrations in drought relative to control reactors

(Stages 1 ? 2, Fig. 2) and increases in dissolved Fe2?

concentrations are consistent with the drop of pH

observed at re-wetting, given adsorption edges of Fe2?

on Fe-oxides reported at pH values between 6.5 and

8.5 (Appelo et al. 2002; Weston et al. 2006).

In strong contrast to the control reactors, nitrification

and denitrification were significant processes in

drought-impacted reactors. Decreases of dissolved and

adsorbed NH4
? pools and subsequent peaks in NOx

concentration (Fig. 3) revealed episodic nitrification

during oxic conditions in the drought-impacted reactors.

Due to different concentrations of NH4
? in the inflow

solutions, nitrification rates were higher in the non-

buffered compared to the buffered experiment. Average

ammonium oxidation rates of 1.5–3 nmol N cm-3 h-1

(buffered) and 9–19 nmol N cm-3 h-1 (non-buffered

conditions) were estimated over the duration of drought

periods. NH4
? removal exceeded NOx accumulation

following the drought periods, suggesting that denitri-

fying microbial activity acted as an efficient sink for

NO3
-. Denitrification was corroborated by N2O detec-

tion in reactor outflow water (data not shown) only at the

sampling times following drought periods and concur-

rent with the detection and decrease of NOx in the

outflow water.

The consistent pH decrease observed after all

drying periods in both experiments confirms the

occurrence of oxidative processes during drought,

since nitrification and the re-oxidation of sulfides and

metals result in pH decrease (Soetaert et al. 2007). The

drop in pH in drought reactors may have promoted the

observed increases in adsorbed HPO4
2- (Fig. 2) and

decreases in dissolved HPO4
2- concentrations

(Fig. 1), as a result of pH-dependent sorption of

phosphate onto iron oxides (Gao and Mucci 2001).

That the natural sediment buffering capacity without

external buffer was comparable to that observed under

buffered conditions was unexpected. The pH in the

non-buffered experiments dropped to near the first

dissociation constant for H2CO3. The associated

increase in dissolved CO2 levels may have promoted

loss of gaseous CO2 during drought periods, and

qualitatively explain the lack of a DIC pulse upon

rewetting in the non-buffered treatments (Fig. 1).

Re-flooding and anoxia after drought conditions

In Stage 3, larger contribution of FeR to total anoxic

organic carbon mineralization (
P

CEST) in most of the

drought reactors reflected a trend to increased FeR rates,

in contrast to control reactors, where they tended to

decrease. Multiple factors could alter the increase of

FeR activity, including differences in Fe-oxide compo-

sition (80 vs 60 % of ascorbate-extractable Fe(III)-

oxides in drought versus control reactors in non-

buffered experiments), or in the extent of Fe2? sorption,

passivating Fe(III)-oxide surfaces (Fig. 2; Roden and

Urrutia 2002; Roden and Zachara 1996; Weston et al.

2006; see above). However, despite a general increase in

FeR rates, the contribution of FeR to total anoxicP
CEST production decreased in most of the reactors

during Stage 3 compared to Stages 1 ? 2 (Fig. 7). This

is because at the beginning of Stage 3, Fe(III) reducers

not only competed with SO4
2- reducers for organic

carbon, but also with denitrifying bacteria, which used

the NO3
- produced during oxic periods.

The effect of sediment geochemical alterations

induced by drought decreased over time during Stage

3 in drought reactors. This was clearly reflected in

porewater constituents, whose concentrations were

similar in drought and control reactors by the end of

the Stage 3 (Figs. 1, 3). In the solid phase data this

pattern was not reflected, although for several param-

eters the difference between drought and control

reactors was smaller after Stage 3 than at the end of

Stage 2 (e.g., adsorbed NH4
? and TIC). The most

persistent effect with drought was observed in

adsorbed concentrations of iron, phosphate and trace
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metals of the periodic drought reactors in the buffered

experiment, suggesting that strong chemical interac-

tions were established by frequent alternation of oxic

and anoxic conditions.

Drought effect on trace metal dynamics

Intermittent drought generally resulted in an increase

of adsorbed metals under buffered conditions, a

pattern not found as consistently under non-buffered

or severe drought conditions. The highest adsorbed

metal concentrations observed in the periodic drought

treatment (Fig. 5) matched the pattern observed for

adsorbed Fe2? (Fig. 2). Adsorbed Fe2? concentration

correlated with concentrations of adsorbed Al3?,

Cu2?, and Zn2? (p \ 0.05) in both experiments and

with adsorbed Mn2? in the non-buffered experiment.

This correspondence with Fe suggests that these ions

were affected by similar processes, including reduc-

tive dissolution of iron oxides and the concurrent

release of sorbed or co-precipitated metals (e.g., Al3?

can substitute isomorphically for Fe3? in Fe(III)-oxide

minerals (Haese et al. 2000) and Zn2? is generally

adsorbed to Fe-oxides (Bostick et al. 2001)) or

precipitation and subsequent re-oxidation—in the

drought reactors—of metal-sulfides (Du Laing et al.

2008; Morse and Luther 1999).

Trace metal concentrations in the outflow water of

control reactors dropped over the duration of the

experiment, in particular under buffered conditions

(Fig. 4). Levels observed following drought were

typically higher in buffered conditions, although a

similar trend was observed in the non-buffered

experiment. While enhanced mobilization at lower

pH in the non-buffered experiment may have contrib-

uted to these observations, the pH range in the reactor

experiments was likely too high to cause a significant

impact (Bradl 2004; Farley et al. 1985), and in the

absence of direct evidence we speculate that other

factors such as transformation of sorbent minerals or

co-precipitates may be more relevant.

Conclusions

Drought and the onset of transient oxic conditions

resulted in a significant alteration of sediment geo-

chemistry and microbial pathways. Drought promoted

oxidation of dissolved metabolites, lowered sediment

pH, favored Fe(III) versus SO4
2- reduction, induced

nitrifying and subsequently denitrifying microbial

activity, and increased metal availability. Concentra-

tions of dissolved and adsorbed metals in drought

reactors often exceeded those in constantly flooded

anoxic sediments. The drought effect on dissolved

trace metals concentrations was transient and not

significant in non-buffered conditions, but the

adsorbed metal concentrations remained elevated after

the reestablishment of anoxia, which may affect the

bioavailability of metals following small changes in

pH or Eh. Sediments from vegetated and dieback areas

generally showed similar geochemical patterns and

were similarly affected by the hydrological treatments,

indicating that the pre-existing conditions of both

areas did not alter the effects caused by drought. Our

results suggest that the geochemical changes induced

by drought could affect the release of metals like Zn2?

or Al3? that can be toxic for plant growth, while

drought-induced pH alterations alone may not be

sufficient to cause marsh dieback. Further research on

trace metals dynamics in fluctuating oxic/anoxic

environments is warranted. These data illustrate that

short-term (\monthly) fluctuations in oxic-anoxic

conditions, driven by transitory drought, cause signif-

icant changes in salt marsh sediment microbial

biogeochemistry. Longer periods of drought promoted

by increased global temperatures, or longer sequences

of fluctuation between oxic and anoxic conditions,

may increase the intensity of changes predicted from

the patters observed in this study. These changes likely

generate a cascade through the ecosystem, with

potentially negative impacts on macrophyte dynamics,

and therefore the whole salt marsh ecosystem.
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