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Abstract Sewage sludge can be a suitable, organic-rich

substrate to promote vegetation of sulfide-mine tailings, but

it may contain contaminants, that, when oxidized, can

adversely affect underlying groundwater systems. The

geochemical impact of a surface application of 12,000

metric tons of anaerobically-digested sewage sludge on the

groundwater quality of a remediated sulfide-tailings

impoundment in northern Sweden was evaluated to deter-

mine if sludge-borne metals and nitrate were released to the

underlying groundwater system. Two years of data from a

field-scale groundwater monitoring programme initiated

just before the sludge application was compared to

groundwater data from 1998 to 2006. Grass was success-

fully established within 2 years. However, until that

occurred, elevated concentrations of sludge-borne metals

(Cu, Ni, Pb, Zn) were released to the underlying ground-

water. In addition, the release of nitrate likely exacerbated

metal concentrations by providing an oxidant for pyrite in

the underlying tailings. The release was periodic due to the

establishment of the grass, which immobilized metals and

nitrate in the sludge. Metals bound as organo-metallic

complexes, due to dissolved organic carbon released from

the sludge, migrated across the tailings impoundment.

Model simulations indicate that the plume will take 6 years

to exit the groundwater environment. Though the impacts

are relatively short-term, this type of application should be

reconsidered in the future.
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Introduction

Remedial measures for acid rock drainage (ARD) formation

in sulfide-mine tailings repositories have been widely stud-

ied globally (INAP 2009; Lottermoser 2010). ARD is the

result of exposure of pyrite (FeS2) and pyrrhotite (Fe(1-x)S)

to oxygen and water. Unremediated tailings may produce

elevated dissolved sulfate, iron, and acidity loadings, which

may, in turn, further exacerbate sulfide weathering, con-

tributing elevated concentrations of dissolved metals into

peripheral surface and groundwater environments. Effective

remediation of sulfide-bearing mine tailings is a fundamental

aspect of mine plan development and is legislated through

the European Parliament’s Management of Waste from

Extractive Industries Directive (2006/21/EC).

In Sweden, 59 million metric tons (t) of mine waste is

produced annually (Statistics-Sweden 2008). ARD miti-

gation can be directed at either covering the waste with

water to restrict oxygen ingress or constructing engineered

dry covers to cap the waste and reduce water ingress and

oxygen diffusion to the underlying sulfide tailings (Carls-

son 2002; Höglund et al. 2005; Holmström et al. 2001).

Engineered composite dry covers (Lindvall et al. 1997) are

designed to be a long-term, low maintenance solution to

the abatement of ARD (INAP 2009). The cover materials

must consist of durable, unreactive natural materials such

as glacial overburden, natural soil, or clay. An overlying

protective layer protects the integrity of an underlying

sealing layer that is designed to prevent oxygen diffusion.

A surface vegetation substrate layer is required to stabilize

and reduce erosion over time. Sourcing and excavating

large volumes of suitable natural soil is often problematic

and of further environmental concern. Replacing natural

soils with an alternative such as an organic waste generated

from another industry has become an inexpensive and
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attractive solution, allowing the beneficial co-disposal of

two separate wastes.

Alternative materials from the paper, pulp, water, and

municipal waste industries have been thoroughly investi-

gated in Sweden (Gotthardsson and Sundberg 2005; Hall-

berg et al. 2005; Hanæus and Mattsson 2009). One such

organic waste is sewage sludge biosolids (SS), which is the

solid by-product material generated during the treatment of

domestic wastewater (Ahlberg et al. 2006). In 2005, the

European Union’s Urban Waste Water Directive 91/271/

EEC Article 14, banned SS disposal and declared that it

should be re-used when appropriate (Fytili and Zabaniotou

2008). Approximately 210,000 t of SS are produced annu-

ally (Statistics-Sweden 2008) from more than 2100 waste-

water treatment plants in Sweden (Marklund 1997). SS has

been investigated as a vegetation substrate on the surface of

tailings impoundments and waste rock dumps (Forsberg

et al. 2008; Neuschütz et al. 2009; Porse 2002), and has

proven to be a suitable substrate for supporting and sus-

taining long-term vegetation establishment (Pichtel et al.

1994). However, its geochemical influence on the tailings

groundwater system has not previously been investigated.

SS is chemically unstable (Neuschütz 2009) and may

contain readily-leachable elevated concentrations of con-

taminants such as Cd, Cu, Ni, Pb, and Zn (Eriksson 2001),

which can migrate as soluble organo-metallic complexes

(Andres and Francisco 2008). Surface agricultural SS

applications have shown that such metals may accumulate

in underlying soil horizons (Ahlberg et al. 2006), or be

transported to peripheral ground or surface waters due to

organo-metallic complexation formation with elevated

dissolved organic carbon (DOC) (Ashworth and Alloway

2004; Christensen and Christensen 2000). Nitrate release

also occurs (Evanylo 1994; Schroder et al. 2008) due to the

oxidation of ammonium (NH4
?), which can be present in

high concentrations in the original SS (Neuschütz 2009).

In the case of sulfide tailings, nitrate levels that exceed

vegetation requirements can leach into the underlying

tailings (Cravotta 1998), and facilitate the oxidation of

pyrite where groundwater is devoid of oxygen (Appelo and

Postma 2005). The use of SS may therefore be problematic.

We evaluated the geochemical impact of a surface appli-

cation of SS on the groundwater quality of a remediated

sulfide-tailings impoundment in northern Sweden. The aim

was to determine if sludge-borne metals and nitrate were

released to the underlying groundwater system, and if so, to

delineate their magnitude, duration, and fate.

Study Area

The Kristineberg Zn-Cu mine operated by New Boliden

AB is located in the Skellefte ore district in northern

Sweden, 175 km southwest of the city of Luleå (Fig. 1).

The climate is classified as sub-Arctic with sub-zero tem-

peratures between October and April, and a mean annual

temperature and precipitation of 0.7 �C and 600 mm/year

(Axelsson et al. 1991a), respectively. The dominant vege-

tation and soil type in the area is coniferous forest and

podzol weathered till, respectively (Carlsson 2002).

Field trials were conducted at a formally remediated

sulfide-tailings facility, impoundment 1 (Fig. 1). Tailings

were deposited into the Vormbäcken stream valley from

1946 until 1952, over a 0.11 km2 area with a tailings

thickness ranging from 2 to 10 m deep (Alakangas 2006).

The impoundment is underlain by glacial moraine to a

depth of 1.5 m (Axelsson et al. 1986) and by underlying

bedrock that has a hydraulic conductivity of 5 9 10-8–

2 9 10-7 m/s (Axelsson et al. 1991a). The bedrock

underlying the impoundment is relatively impermeable

except for two fracture zones striking NW–SE through the

center of the deposit and at the impoundment toe (Axelsson

et al. 1991b), which are areas where groundwater is lost.

Recharge to the impoundment groundwater occurs in the

western till slope, though the impoundment groundwater is

its own hydraulic unit, independent of the peripheral bed-

rock groundwater fluctuations (Axelsson et al. 1991a).

A 0.15–1.1 m thick oxidized tailings vadose zone

formed after 50 years of natural weathering, sulfide oxi-

dation, and ARD formation (Holmström et al. 2001). The

original mineralogy of the unoxidized tailings is dominated

by a high sulfide content, primarily comprised of pyrite

(26 %), sphalerite (1.3 %), chalcopyrite (0.28 %), and

galena (0.05 %), with the oxidized tailings containing

1–2 % total sulfides (Holmström et al. 2001). The gangue

minerals consisted of quartz [SiO2], muscovite [KAl2
(Si3AlO10)(OH)2], cordierite [Mg2Al4Si5O18], chlorite

[(Mg, Fe)6(SiAl4O10)(OH)8], talc [Mg3Si4O10(OH)2],

microcline [KAlSi3O8], diopside [Ca(Mg, Al)(Si, Al)2O6],

K-feldspar [KAlSi3O8], and albite [NaAlSi3O8]. Calcite

[CaCO3] and dolomite [CaMg(CO3)2] contents were 2.5 %

each. The tailings have a vertical and horizontal hydraulic

conductivity of 3–7 9 10-6 and 2–5 9 10-5 m/s respec-

tively, and a porosity of 0.25 (Axelsson et al. 1986).

In 1996, the impoundment was remediated (Fig. 2) by

applying an engineered composite dry cover (1.5 m pro-

tective layer of glacial till and 0.3 m of a clay-rich till

sealing layer) to the formerly raised tailings dam area, and

by applying a simple 1 m thick water-saturated till cover in

the west of the impoundment by raising the groundwater

table with sealing dykes. The vertical hydraulic conduc-

tivity (and porosity) of the protective till layer and clay-

rich till sealing layer were 6 9 10-7 m/s (0.23) (Lindvall

et al. 1999) and 1 9 10-9 m/s (0.18), respectively (Högl-

und et al. 2005). Infiltration into the impoundment

groundwater beneath the composite dry covered area due to
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precipitation is minimal (0–5 % of annual precipitation of

600 mm/year) and only contributes a minor amount of

recharge to the groundwater system in these areas (Werner

et al. 2001). Almost 100 % of the precipitation infiltrates

into the water-saturated areas of the impoundment. The

water level in the water-saturated area varies between the

ground surface and 1 m below it, and is governed by the

potentiometric surface. The impoundment groundwater is

directed to the southwest by a dominant fracture zone in the

bedrock, and by lateral engineered drainage from the

composite dry cover (Fig. 2).

Ten kg/m2 of crushed limestone were added before the

covers were constructed (Lindvall et al. 1999). Dissolved

metals (Al, Cd, Co, Cr, Cu, Ni) were significantly reduced

and the pH increased (Alakangas 2006) in the underlying

groundwater a few years after remediation due to reduced

oxygen diffusion (Alakangas and Nason 2010). In August

2009, anaerobically-digested SS from the municipality of

Stockholm was applied to areas of the impoundment that

had had poor vegetation since remediation in 1996 to

provide a vegetation substrate and nutrients. 10,800 t of SS

were applied onto the dry covered area (DCA) of the

Fig. 1 Location of the Kristineberg mine site, northern Sweden, and a map of the impoundment 1 study site showing cover types and the

location of the BAT� groundwater wells. Line A–B is shown in the detailed cross-section in Fig. 2
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impoundment, and 1200 t were applied onto the water-

saturated cover areas (WSA), to a depth of 0.2–0.3 m

(Fig. 1). The SS was seeded in 2010, and grass establish-

ment had occurred by spring 2011.

Materials and Methods

Groundwater Sampling and Analysis

The groundwater was monitored during two sampling

periods. The first period was initiated a few years after

remediation in 1998–2006; a full methodology can be

found in Alakangas (2006). The second period commenced

just prior to the SS application from June 2009-October

2011. Samples were collected monthly from May to

October from five installed BAT� groundwater wells,

designed to allow sample collection with minimal exposure

to atmospheric oxygen (Torstensson 1984). This main-

tained the groundwater redox potential, removing the

possibility for Fe-(oxy) hydroxides to precipitate and

adsorb or co-precipitate other metals out of solution. The

wells were chosen because of their relative position in the

impoundment groundwater system (Fig. 2). Well P repre-

sented the uncontaminated inflowing groundwater into the

impoundment, located in the western till slope. Wells G

and F are located in the WSA of the impoundment at dif-

ferent depths. Well Q is situated in the DCA of the

impoundment. Well L represents the groundwater outflow

at the impoundment toe.

The acid-washed 120 mL BAT� groundwater tubes

were purged with argon and vacuumed prior to sampling.

Groundwater samples were filtered in the field in an argon-

filled chamber devoid of oxygen using 0.22 lm acid-

washed Millipore nitrocellulose membrane filters and

syringes. The dissolved fraction was transferred into

125 mL acid-rinsed bottles. Separate samples were col-

lected unfiltered into non-acid washed bottles for the

anions NO3
-, SO4

2-, and dissolved organic carbon (DOC).

In the field, all samples were stored in a dark, refrigerated

environment in a field-lab station prior to analysis. Mea-

surements were conducted using a WTW GmbH Multi-

340i meter with a combined ConOx electrode, which had

been calibrated using an Oxi-Cal�-SL air calibration vessel

for dissolved oxygen and a 0.01 mol/L KCl solution for

electrical conductivity (EC). Temperature and pH were

measured using a WTW SenTix 41 electrode with a two-

point calibration at pH 4.01 and 7. All samples for analysis

were sent to the accredited commercial laboratory, ALS,

situated in Luleå, Sweden.

Determination of dissolved fractions of major (Fe) and

minor (Cu, Ni, Pb, Zn) elements in the water were per-

formed using ICP-AES and ICP-SFMS, respectively.

Nitrate and sulfate were analyzed using ion chromatogra-

phy. DOC samples in the water were calculated by filtra-

tion through 25 mm diameter glass micro fiber filters

(0.47 lm) mounted in stainless steel filter holders; analysis

was performed using a Shimadzu TOC-5000 high-tem-

perature combustion instrument. The analyses were con-

ducted according to the EPA-methods (modified) 200.7

(ICP-AES) and 200.8 (ICP-SFMS). Blank analysis using

Milli-Q� water indicated a contribution of \2 % for all

dissolved cations except for Pb, which occasionally con-

tributed concentrations exceeding 2 %.

Sewage Sludge Sampling and Analysis

SS samples were collected on two occasions: 3 spot sam-

ples during application of the fresh SS in July 2009; and 1

and 2 spot samples from the WSA and DCA, respectively,

Water Saturated
A B

Q (8.09m)

L (4.07m)F (8.02m) G (3.37m)

0 100 200 m Vertical scale has been exaggerated

P (3m)

Dry Covered

Road
Clayey till
Sealing layer

Sulphidic tailings

BAT® GW pipe

Sewage Sludge

Natural occuring
glacial till

GW Table

Applied glacial
till cover

Fig. 2 Cross-section A–B of impoundment 1 showing the arrangement of the cover types applied and the location and depth of the BAT�

groundwater wells
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in Oct. 2011. They were collected using a handheld non-

metallic auger, placed into non-diffusive plastic containers,

and frozen before sample analysis the following day. They

were dried at 50 �C and leached in 7 M nitric acid in

closed Teflon vessels in a microwave oven for As, Cd, Cu,

Co, Hg, Ni, Pb, S, and Zn. The remaining elements were

determined after fusion with lithium metaborate and dis-

solved in dilute nitric acid. These solutions were centri-

fuged and diluted before analysis. The determination of Al,

Ca, Cr, Fe, K, P, S, and Ti were made using ICP-AES and

As, Cd, Co, Cu, Ni, Pb, and Zn were analyzed using ICP-

SFMS. Instrumental analysis was carried out according to

modified USEPA methods. Precision in all methods was

generally better than 5 %. Dry matter reported as total

solids (TS %) was determined by drying the sample prior

to analysis in an oven at 105 �C for 24 h according to

Swedish standard SS 028113-1. Loss of ignition (LOI) was

determined by placing an aliquot of the sample and heating

it to 1,000 �C and subtracting the difference in weights.

MINTEQ Organic Complexation and Speciation

Modeling

Speciation and organic complexation of dissolved metals in

the groundwater of each well were modeled using the

chemical equilibrium Visual MINTEQ modeling software

(Version 3.0., Beta) to further understand the transport of

metals in the impoundment groundwater system. The

Stockholm Humic Model was used to model the dissolved

groundwater geochemical data (Gustafsson 2001). Five

time periods were chosen to compare the average

impoundment groundwater data and the SO4
2-/Fe2? ratios

NO3
-, DOC, and EC over time: the post remediation flush

(PRF) from 1998 to 2000; the stable period (SP) from 2001

until just before SS application in summer 2009; the first

year after sludge application (SS1) during 2009; the second

year after sludge application (SS2) during 2010; the third

year after sludge application (SS3) during 2011.

Results and Discussion

Release of Constituents from Sewage Sludge

To quantify the mass change of constituents (Table 1) in

the solid fraction of the SS 2 years after the application in

June 2009, mass balance calculations were used by nor-

malizing each constituent to a fixed element, Ti. This

element is assumed to be relatively immobile in the sludge,

as the minerals it normally resides in, such as rutile,

ilmenite, or as an accessory element in pyroxene and

amphiboles, resist weathering and dissolution. It is

assumed that if oxidation and geochemical processes

occurred within the surface SS layer, a total mass change

(Eq. 1) between the original concentration (CO) and the

final concentration (CF) of a particular element (e) (Eq. 2)

would have occurred, identified by using a normalizing

element (n). The results are presented in Fig. 3.

Total Mass Change ð%Þ ¼ CO
n

CF
n

� �
� 1

� �
� 100 ð1Þ

Individual Element Mass Change ð%Þ

¼ CF
e

CO
e

� �� �
� CO

n

CF
n

� �
� 1

� �
� 100 ð2Þ

The SS mass volume decreased during the 2 years after

application from both the WSA and DCA by 17.76 and

16.25 %, respectively (Fig. 3). The mass lost was domi-

nantly attributed to organic matter (OM) depletion and the

leaching of sulfate, calcium, and metals. Aerobic degra-

dation of the OM fraction (LOI) due to surface oxidation

Table 1 Average major and minor constituent analysis from original

(n = 3) sewage sludge (SS) and SS from water-saturated (n = 1)

(WSA) and dry-covered (n = 2) areas (DCA) of impoundment 1

Original SS SS on WSA SS on DCA

23rd July

2009

6th October

2011

6th October

2011

(3 Samples) (1 Sample) (2 Samples)

Major constituents (% TS)

SiO2 10.50 13.80 13.95

Al2O3 3.12 4.07 4.04

CaO 2.62 2.45 2.91

Fe2O3 12.38 16.80 16.05

K2O 0.62 0.67 0.64

MgO 0.53 0.54 0.54

MnO 0.03 0.03 0.03

Na2O 0.40 0.46 0.49

P2O5 6.65 8.28 7.93

LOI 53.43 50.40 50.55

TiO2 0.39 0.47 0.46

Minor constituents (mg/kg TS)

As 5.56 5.37 5.70

Cd 0.92 0.96 0.99

Co 9.03 9.47 8.04

Cr 42.50 53.80 52.25

Cu 422.33 413 434

Hg 0.77 1.00 1.09

Ni 26.70 27.70 26.40

Pb 29.57 29.70 35.55

S 13100 9,020 11,540

Zn 626 574 689

SUM (% TS) 92.09 98.99 98.86
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(Eq. 3) resulted in a mass depletion of 22 % in both

applications.

Copper, Ni, Pb, and Zn were removed from the SS

(Fig. 3). It is likely these sludge-borne metals were mobi-

lized due to surface weathering of the reduced metals

(Ahlberg 2006). The loss of minor constituents was

unequal between the two areas. Compared to the SS on the

DCA, the Cu, Pb, and Zn were more readily removed from

the WSA, whereas more Ni was lost from the DCA.

A major loss of CaO and S, which was elevated in the

original solid geochemistry (Table 1), accounted for much

of the mass lost from the SS. However, the high original

concentrations of Fe and Al were retained (Fig. 3). The Fe

and Al likely were added as soluble Fe/Al-sulfate floccu-

lants during waste water processing (Neuschütz 2009).

Though the types of sulfates are unknown, dissolution of

melanterite (Eq. 4) and jurbanite (Eq. 5) may have occur-

red, releasing sulfur as sulfate into solution while the cat-

ions would have precipitated as hydroxides (Lottermoser

2010). This would account for the high S loss but the

retention of Fe and Al (Fig. 3). Furthermore, the sulfate

may have reacted with the Ca2? released from the SS to

precipitate gypsum (Eq. 6) (Lottermoser 2010), though

speciation modeling using Visual MINTEQ suggests that

the impoundment groundwater was undersaturated with

CaSO4
0.

CH2Oþ O2 ! H2Oþ CO2 ð3Þ

FeSO2�
4 þ 7H2Oþ 0:25O2

! FeðOHÞ3 þ 4:5H2Oþ SO2�
4 þ 2Hþ ð4Þ

Al(SO4ÞðOHÞ � 5H2O! AlðOHÞ3 þ 3H2Oþ SO2�
4 þ 2Hþ

ð5Þ

Ca2þ þ SO2�
4 þ 2H2O$ CaSO4 � 2H2O ð6Þ

Inorganic Water Geochemistry in the Impoundment

Groundwater System

Water-Saturated Areas of the Impoundment

Prior to the SS application, dissolved metals and sulfate

(Fig. 4) concentrations had stabilized after the 1996

remediation (Alakangas 2006). After SS application in

2009, metal and sulfate concentrations increased indepen-

dent of EC, except in well F (Table 2). This was observed

1 month after the application in the areas of the WSA

where SS was applied. Wells F and G in the WSA

responded differently to the SS application. Well F, the

deeper of the two wells, received peak concentrations of

the metals Fe (396 mg/L), Ni (182 lg/L), and Zn

(9,680 lg/L) 1 month after the SS application, up from

2009 pre-SS concentrations of Fe (84 mg/L), Ni (0 lg/L),

and Zn (104 lg/L). Concentrations in this well subsided to

within ±10 % of pre-SS concentrations by 2010 and had

stabilized by 2011.

Well G, the shallower well, received a concentration

pulse of the elements Fe (154 mg/L), Ni (365 lg/L), and

Zn (2,530 lg/L) 2 months after the well F peak, up from

2009 pre-SS concentrations of Fe (80 mg/L), Ni (0 lg/L),

and Zn (1,770 lg/L) (Fig. 4). In 2010, the peak still

remained moderately high in concentrations of Cu (28 lg/

L), Fe (129 mg/L), Ni (208 lg/L), Pb (11 lg/L), and Zn

(1,850 lg/L), but had returned to pre-SS concentrations by

early 2011.

The rapid movement of the sludge-borne constituents

into the shallow and deep tailings groundwater was likely

because the potentiometric surface fluctuates from 0.5 m

below- to ground-level within the water-saturated cover

during the spring-melt and autumn rain events. This rise in

the water surface due to increasing piezometric pressure
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Fig. 3 Constituent mass changes from the solid fraction of the sewage sludge between application in July 2009 and October 2011
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enabled the mobilized metals that had been oxidized by

atmospheric oxygen and meteoric rainfall to enter the

underlying groundwater. As the groundwater in this part of

the impoundment may travel both horizontally and verti-

cally due to the heterogeneity of the tailings (Axelsson

et al. 1991b), metals were able to migrate away from the

SS. As metals in both the WSA wells returned to pre-SS

concentrations within 2 years, it is likely the release of

sludge-borne metals had ceased. Thereafter, it appears that

the vegetation established on the SS in spring 2011 took up

and immobilized the metals, as has been observed in

similar studies conducted in Sweden (Forsberg 2008;

Forsberg et al. 2008).

Dry-Covered Areas of the Impoundment

Well Q did not exhibit any changes in water geochemistry

until the end of 2011 when a rise in Cu (188 lg/L), Ni

(263 lg/L), Pb (95 lg/L), and Zn (2,060 lg/L) occurred

(Fig. 4). Pre-SS concentrations of these constituents in

2009 were Cu (0 lg/L), Ni (3.8 lg/L), Pb (0.4 lg/L), and

Zn (1,610 lg/L). Concentrations of Fe did not change. A

0 

1 

10 

100 

1000 

L
o

g
 C

o
n

ce
n

tr
at

io
n

 (
g

/L
) Cu 

0 

500 

1000 

1500 

2000 

2500 

3000 

3500 

4000 

4500 

5000 

C
o

n
ce

n
tr

at
io

n
 (

m
g

/L
) 

Fe 

0 

100 

200 

300 

400 

500 

600 

700 

C
o

n
ce

n
tr

at
io

n
 (

g
/L

) 
C

o
n

ce
n

tr
at

io
n

 (
m

g
/L

) 
   

Ni 

0 

20 

40 

60 

80 

100 

120 

C
o

n
ce

n
tr

at
io

n
 (

g
/L

) 

Pb 

Well F Well G Well Q Well P Well L 

1 

10 

100 

1000 

10000 

100000 

1000000 

1998 2000 2002 2004 2006 2008 2010 2012 

1998 2000 2002 2004 2006 2008 2010 2012 

1998 2000 2002 2004 2006 2008 2010 2012 

L
o

g
 C

o
n

ce
n

tr
at

io
n

 (
g

/L
) 

L
o

g
 C

o
n

ce
n

tr
at

io
n

 (
m

g
/L

)

Zn 

Ca 

SO4
2–

10 

100 

1000 

10000 

100000 

0 

100 

200 

300 

400 

500 

600 

0 

1 

2 

3 

4 

5 

6 

7 

8 

1998 2000 2002 2004 2006 2008 2010 2012 

p
H

 

pH 

Fig. 4 Total concentrations of sulfate, Ca, Cu, Fe, Ni, Pb, Zn and pH-values from the combined 1998–2006 and 2009–2011 sampling campaigns

from the five BAT� groundwater wells. The dotted line indicates the sewage sludge application in July 2009

72 Mine Water Environ (2014) 33:66–78

123



decrease in pH was observed from pH 6 (pre-SS in 2009) to

5.5 (Fig. 4).

The source of the metal plume is not likely from the SS

applied onto the DCA as the sealing layer in the composite

dry cover is designed to allow only minor amounts of water

infiltration: 4 9 10-3 m3/m2/year into the underlying tail-

ings (Carlsson et al. 2003). Based on the mean annual

precipitation of 600 mm/year, it would take 150 years for

1 year of rainfall to percolate through the SS and dry cover.

As lateral groundwater movement across the impound-

ment is 30–90 m3/m2/year (Corrège et al. 2001), the source

of the metal plume that affected the groundwater underlying

the DCA was likely derived from the SS on the WSA. The

two areas where the SS was applied are separated by 150 m,

so it should have taken 1.7–5 years for this plume to migrate.

The data indicates that the plume took 2.2 years to affect the

groundwater underlying the DCA, agreeing with this cal-

culation. The Ni and Zn concentrations in well Q were less

than the concentrations found at the WSA wells. This is

attributed to dilution within the groundwater under the DCA

due to inflow of uncontaminated groundwater from the

western till slope, as data from well P illustrates (Fig. 4).

As the metal contamination plume was released 2 years

after the SS applied onto the WSA, the peak in concen-

tration in well Q should theoretically subside within

2 years as the groundwater plume migrates past, due to the

dominant groundwater movement rates and direction

(Corrège et al. 2001). Based on the distance to the

impoundment toe, it is predicted that the contamination

plume will take an additional 4 years to migrate out of the

impoundment groundwater system. Further monitoring will

quantify this rate.

The fate of the sludge-borne constituents derived from

the DCA, hindered from infiltrating through the low

hydraulic conductivity sealing layer (1 9 10-9 m/s), trav-

eled laterally from west to east through the protective layer

to the impoundment toe, on a designed 1:3 gradient

(Lindvall et al. 1999). As the protective layer material has a

hydraulic conductivity of 6 9 10-7 m/s, horizontal water

movement (Lindvall et al. 1999) occurred. Elevated metal

concentrations were measured in the groundwater at well L

at the impoundment toe. This peak occurred within

2 months after the SS application, as the SS located on the

DCA is less than 100 m from the toe (Fig. 2). The transport

of dissolved metal solutes through the highly permeable

protective cover was thus rapid. Peak concentrations of Cu

(776 lg/L), Ni (493 lg/L), and Zn (20.4 mg/L) occurred as

the leached constituents were funneled towards the toe.

This large peak declined rapidly and had decreased to pre-

SS concentrations within 1 year, as the pH increased

Table 2 SO4
2-/Fe2? ratios,

nitrate, DOC, and electrical

conductivity (EC) from the four

BAT� groundwater wells

situated in Impoundment 1

Well F Well G Well Q Well L

SO4
2-/Fe2? ± SD

PRF (1998–2000) 1.58 ± 0.54 1.77 ± 0.47 1.92 ± 0.00 2.78 ± 2.65

SP (2001–2009) 1.67 ± 0.90 0.70 ± 0.00 4.00 ± 3.29 1.74 ± 0.32

SS1 (2009) 1.38 ± 0.10 1.78 ± 0.48 2.72 ± 0.70 3.01 ± 0.84

SS2 (2010) 1.64 ± 0.59 3.11 ± 0.00 3.33 ± 0.31 2.45 ± 0.00

SS3 (2011) 0.79 ± 0.48 2.90 ± 0.15 3.04 ± 0.64 2.32 ± 0.15

NO3
-–N (mg/L ± SD)

PRF (1998–2000) 1.47 ± 0.91 0.86 ± 0.64 0.02 ± 0.00 0.84 ± 0.65

SP (2001–2009) 0.09 ± 0.05 0.00 ± 0.00 0.44 ± 0.35 30.4 ± 17.3

SS1 (2009) 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 0.50 ± 0.35

SS2 (2010) 0.00 ± 0.00 0.20 ± 0.14 2.10 ± 1.48 0.22 ± 0.00

SS3 (2011) 0.15 ± 0.00 0.34 ± 0.20 100.0 ± 94.8 0.00 ± 0.00

DOC (mg/L ± SD)

PRF (1998–2000) 5.96 ± 3.62 3.38 ± 1.54 No Data 4.26 ± 0.78

SP (2001–2009) 3.60 ± 0.21 3.20 ± 0.00 No Data 4.85 ± 2.06

SS1 (2009) 3.05 ± 0.08 2.10 ± 1.13 2.30 ± 1.70 8.00 ± 0.00

SS2 (2010) 6.90 ± 1.05 7.85 ± 1.20 7.55 ± 1.20 6.80 ± 0.00

SS3 (2011) 2.95 ± 1.63 2.40 ± 1.21 25.5 ± 18.4 3.90 ± 1.99

EC (mS ± SD)

PRF (1998–2000) 4.78 ± 3.06 5.54 ± 1.41 0.03 ± 0.00 4.23 ± 0.62

SP (2001–2009) 0.81 ± 0.34 1.64 ± 1.02 2.28 ± 0.61 4.62 ± 0.22

SS1 (2009) 1.35 ± 0.35 0.76 ± 0.25 1.62 ± 0.11 3.01 ± 0.46

SS2 (2010) 0.24 ± 0.02 0.17 ± 0.02 2.00 ± 0.29 3.50 ± 0.00

SS3 (2011) 0.26 ± 0.01 1.12 ± 0.15 2.08 ± 0.53 2.87 ± 0.15
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(Fig. 4). Similarly to the SS on the WSA, prominent veg-

etation establishment on the SS in 2011 decreased the

amount of sludge-borne metals released. The observed and

predicted metal peaks in each well are illustrated (Fig. 5),

based on the dominant hydrological regime. The peaks

observed in wells F and G are observed data, whereas well

Q is predicted based on the plume migration. Well L at the

toe received peak concentrations from the SS on the DCA.

The second peak is modeled to occur as the plume derived

from the groundwater migrates to the toe within 6 years of

the SS application, based on the dominant hydrological

groundwater regime.

Nitrate: Formation, Dispersal, and Fate

Nitrate concentrations increased in well G and Q

(Table 2) in 2010–2011. The increase was likely due to

nitrification (Eq. 7) in the SS. This process is prevalent in

surface applications of SS (Ahlberg 2006; Evanylo 1994;

Schroder et al. 2008). As the nitrate was released from the

SS to the tailings groundwater, it may have become a

primary terminal electron acceptor for pyrite oxidation

(Appelo and Postma 2005) as dissolved oxygen concen-

trations were relatively low (2–4 mg/L) in all wells

(except well Q) over the study periods. Pyrite oxidation

may be indicated by SO4
2-/Fe2? molar ratios derived

from the groundwater data (Karlsson et al. 2010). Oxi-

dation of pyrite by oxygen or nitrate may release dis-

solved Fe2? and SO4
2-, resulting in a ratio of 2 (Eqs. 8 or

9) (Appelo and Postma 2005). A ratio \2 may indicate

the absence of oxidation.

NHþ4 þ 2O2 ! NO�3 þ 2Hþ þ H2O ð7Þ

FeS2 þ 3:5O2 þ H2O! Fe2þ þ 2SO2�
4 þ 2Hþ Ratio ¼ 2

ð8Þ

5FeS2 þ 14NO�3 þ 4Hþ

! 7N2 þ 5Fe2þ þ 10SO2�
4 þ 2H2ORatio ¼ 2

ð9Þ

All wells (except Q) in the impoundment displayed a

declining SO4
2-/Fe2? ratio (\2) from 1998 to 2009

(Table 2), due to successful remediation in 1996, which

prevented oxygen diffusion to the tailings. The ground-

water table was raised during these stages and may have

created reductive dissolution of Fe-hydroxides within the

oxidized vadose zone, causing an increase in dissolved Fe

concentrations in the groundwater. Both of these processes

may have contributed to lowering the SO4
2-/Fe2? ratio to

\2 prior to the SS application.

Water-Saturated Areas of the Impoundment

The molar SO4
2-/Fe2? ratio increased marginally in well F

and G during 2009 after the SS application (Table 2).

However, from 2010 to 2011 in well G, the molar ratio

increased [2, due to an increase in concentrations of

260 mg/L Fe and 4,100 mg/L SO4
2- (Fig. 4), yet nitrate

remained relatively unchanged (Table 2). These concen-

trations may indicate pyrite oxidation by nitrate, as there

was a rise in dissolved Fe, SO4
2-, and nitrate, though

released, was consumed in the reaction. The pH also

decreased by a mean pH of 0.5. The Fe is unlikely sludge-
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borne as it was retained in the SS (Fig. 3). The ratio and

nitrate concentration in Well F, the deeper well, remained

unchanged; it is surmised that because it is the deeper of

the two wells, it did not respond as nitrate was consumed in

the overlying tailings and oxidation of pyrite did not occur

at this depth.

The slight decline of the molar ratio in well G in 2011 was

likely due to two processes: the conversion of ammonium to

nitrate has been shown to be very rapid when applied as a

surface cover, and up to 26 % of the nitrogen content of an

anaerobically-digested sludge can be released as nitrate in

the first year, but only 3–5 % each year thereafter (Evanylo

1994); plant establishment on SS can take up both nitrate and

ammonium (Forsberg 2008). A decline in sulfate concen-

trations was mirrored by a decline in dissolved Ca2? (Fig. 4),

which may have indicated gypsum formation, removing

sulfate from solution and lowering the ratio.

Dry-Covered Areas of the Impoundment

At well Q, the SO4
2-/Fe2? molar ratio stabilized to 4 before

SS application, showing that some oxygen was likely still

present in the tailings after the initial remediation (Table 2).

Dissolved oxygen concentrations ranged from 2.00 to

5.76 mg/L from 2009 to 2011. After the SS application, the

SO4
2-/Fe2? ratio remained unaltered in well Q and was

maintained at[2. Nitrate concentrations peaked to 100 mg/L

(Table 2) and sulfate to 1,460 mg/L (Fig. 4). The data may

indicate pyrite oxidation by nitrate may not have occurred as

Fe concentrations and the pH remained stable, nitrate was not

consumed, and the ratio remained unchanged. This is

because oxygen present remained as the primary terminal

electron acceptor for pyrite.

The results suggest that, similar to the sludge-borne

metals that entered the groundwater beneath the DCA in

2011, nitrate was sourced from the episodic release from

the WSA. A similar decline and migration of nitrate should

hence occur.

The molar ratio (Table 2) in the groundwater at well L at

the impoundment toe increased to[2 after SS application in

2009, and remained at this level throughout the monitoring.

The nitrate concentration increased slightly (Table 2), but

by 2011, nitrate concentrations fell to 0 mg/L. However,

dissolved Fe and SO4
2- concentrations remained unchan-

ged (Fig. 4). There was no evidence at the impoundment toe

of an interaction of the sludge-borne nitrate with the tailings

groundwater system.

Metal Speciation Related to Organic Geochemistry

Speciation and organic complexation modeling using

Visual MINTEQ was conducted for the divalent cations

Cu, Fe, Ni, Pb, and Zn from each well in the impoundment

(Fig. 6) to understand the mechanisms for metal transport.

Redox potential was estimated to be low and was calcu-

lated using the redox couple nitrate/ammonium. The model

calculated that Fe2? was prevented from oxidizing to Fe3?,

and hence, metals did not co-precipitate or adsorb to Fe-

(oxy) hydroxides. This explains why 100 % of the metals

Cu, Fe, Ni, Pb and Zn were present in solution as free

divalent ions, metal sulfates, or bound as mobile organo-

metallic complexes in all wells. After SS application, the

elevated DOC concentrations (Table 2) and pH, rather than

redox potential, controlled the susceptibility of metals to

form complexes. As the pH of the groundwater in wells F,

G, and Q was pH 5 to near-neutral, the affinity of metals to

form organo-metallic complexes increased when elevated

DOC concentrations occurred simultaneously. This is

because the attraction of cations to binding sites such as

those of soluble carboxylic acids (R-COOH) in the fulvic

acid fraction of the DOC peaks at pH 7, due to proton

dissociation (H?) at higher pH (Eq. 10) (Gustafsson 2001).

This creates the formation of strong electrostatically bound

bidentate organo-metallic complexes with divalent cations

(Fletcher and Beckett 1987; Garcia-Gil et al. 2007)

(Eq. 11). Weaker, hydrostatic monodentate complexes may

also form (Eq. 12).

R � COOH! R � COO� þ Hþ pH 3�7 ð10Þ

2R � COOH þMe2þ $ ðR � COOÞ2Meþ 2Hþ pH 3�7

ð11Þ

R � COOH þMe2þ $ R � COOMeþ þ Hþ pH 3�7

ð12Þ
The pH in well L was less than 3 after the sludge

application (Fig. 4), and even though DOC concentrations

peaked at 8 mg/L (Table 2), all metals failed to form a

strong dependency to complex with the organic fraction, as

carboxylic acids do not dissociate below pH 3 (Fig. 6). The

two wells located in the WSA, G and F, exhibited peak

metal concentrations in 2009, but organo-metallic com-

plexes didn’t dominate the water speciation until higher

DOC concentrations were released in 2010 (Fig. 6). In both

wells, Cu, Ni, and Pb had a strong tendency to form org-

ano-metallic complexes, whereas Fe and Zn did not.

In well Q, situated in the DCA, the peak metal con-

centrations (Fig. 6) coincided with an elevated DOC con-

centration of 38 mg/L (Table 2) in autumn 2011. This

influenced a high percentage of the Cu and Pb, and to a

lesser extent Ni, to form complexes. Iron however,

remained as free ions in solution. This is most probably due

to the reduced pH in 2011 to 5.5 (Fig. 4). The tendency of

Cu to form a strong complex has been recognized in similar

studies conducted during surface applications of SS and

peaks at pH 6.5 (Forsberg et al. 2008), which was within

the pH range of in Impoundment 1. Sludge-borne Ni and
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Cu have been found to similarly form complexes within the

groundwater of tailings applied with SS (Andres and

Francisco 2008).

The implications on the water chemistry from the results

is that the metals were more likely to be transported

through the impoundment groundwater system as these

mobile complexes and not be immobilized or retained in

the tailings by reactions such as precipitation or adsorption.

This may cause readily-mobile metals to be transported and

released to peripheral environments.

Conclusions

The surface application of 12,000 t of SS to a remediated

tailings impoundment at the Kristineberg Mine was

successful in that it provided and supported vegetation

establishment within 2 years of application. However, the

sludge adversely affected the tailings groundwater quality

as weathering and surface oxidation of reduced metal

compounds and ammonium in the SS led to the release of

sludge-borne metals, nitrate, and DOC.

The results suggest that the effect of the SS application

on the dry-composite covered areas was negligible, as the

sludge-borne leachate, unable to enter through the cover,

was directed laterally, and was concentrated at the

impoundment toe, without reacting with the tailings

groundwater system. However, the SS application on the

water-saturated cover area contributed excessive metals

(Cu, Ni, Pb, Zn), DOC, and nitrate into the impoundment

groundwater system. These migrated laterally beneath the

dry covered areas due to the dominant hydrogeological
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regime across the impoundment. The metals were readily-

transported in solution or as organo-metallic complexes

due to the elevated DOC released from the SS. Nitrate

released from the SS likely caused pyrite oxidation in the

unoxidized tailings of the water-saturated areas, further

exacerbating metal concentrations and releasing Fe. How-

ever, the release of sludge-borne constituents was tempo-

rary as vegetation establishment after 2 years immobilized

the constituents. The migrating contamination plume is

expected to flush through the impoundment within 6 years

after the SS application.

Fortunately, at this study site, all surface and ground-

water flow derived from the impoundment is directed into

three larger impoundments that are limed to remove metals

from solution. Hence, the peripheral environment was not

hindered in this case study. However, applications in similar

situations should be avoided or treated, as necessary. Suc-

cessful capture and treatment of the water may be necessary

to prevent surface- and groundwater contamination.
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