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ABSTRACT
The effects of major reductions in organic matter,
total phosphorus (TP), and total nitrogen (TN)
loading on the chemical environment, trophic struc-
ture, and dynamics of the hypertrophic, shallow
Lake Søbygård were followed for 18 years. After the
reduction in organic matter loading in 1976, the
lake initially shifted from a summer clear-water
state, most likely reflecting high grazing pressure by
large Daphnia species, to a turbid state with ex-
tremely high summer mean chlorophyll a (up to
1400 µg L21), high pH (up to 10.2), and low
zooplankton grazing. Subsequently, a more variable
state with periodically high grazing rates on phyto-
plankton and bacteria was established. Changes in
zooplankton abundance and grazing could be attrib-
uted to variations in cyprinid abundance due to a
fish kill (probably as a consequence of oxygen
depletion) and pH-induced variations in fish recruit-
ment and fry survival. The results suggest strong
cascading effects of fish on the abundance and size

of zooplankton and phytoplankton and on phyto-
plankton production. A comparatively weak cascad-
ing effect on ciliates and bacterioplankton is sug-
gested. Due to high internal loading, only minor
changes were observed in lake-water TP after a
reduction in external TP loading of approximately
80% in 1982; net retention of TP was still negative
13 years after the loading reduction, despite a short
hydraulic retention time of a few weeks. TN, how-
ever, decreased proportionally to the TN-loading
reduction in 1987, suggesting a fast N equilibration.
Only minor improvement in the environmental
state of the lake has been observed. We suggest that
another decade will be required before the lake is in
equilibrium with present external P loading.

Key words: recovery; top-down control; bot-
tom-up control; loading reduction; internal loading;
fish; zooplankton; phytoplankton; ciliates; bacteria;
size distribution; production.

INTRODUCTION

Eutrophication has resulted in a deterioration of
lake ecosystems worldwide (OECD 1982; Sas 1989;
Kristensen and Hansen 1994). In many countries,

attempts to restore lakes by reducing external nutri-
ent loading (Sas 1989) have in some cases resulted
in a new equilibrium within a few years (Kristensen
and others 1990). Many lakes, however, are resis-
tant to recovery (Ryding 1981; Cullen and Forsberg
1988; Marsden 1989; Sas 1989; Jeppesen and others
1991; Cooke and others 1993; Van der Molen and
Boers 1994). Delayed response to restoration mea-
sures is not restricted to lakes with a long hydraulic
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retention time. Some shallow lakes with a water
renewal time of only a few weeks may respond in
10–15 years (Jeppesen and others 1991). Apart
from dilution (renewal of the water mass), delayed
recovery may be attributed to phosphorus (P) re-
lease from the accumulated sediment pool (internal
loading). Internal P loading seems to be an impor-
tant factor in the long term (Ryding 1981), while
internal nitrogen (N) loading following N-loading
reduction appears important only in the short term
(Jensen and others 1992).

Resistance may also be related to a delay in
biological changes, for example, in the fish commu-
nity or in the appearance of submerged macro-
phytes (Gulati and others 1990; Moss 1990; Laurid-
sen and others 1993). Biomanipulation experiments
show that active combating of biological resistance
will often reduce internal nutrient loading (Shapiro
and Wright 1984; Jeppesen and others 1998), sug-
gesting that chemical and biological resilience are
highly interlinked (Boers and others 1991; Carpen-
ter and others 1992). Recent studies suggest that the
structuring role of fish in the entire pelagic ecosys-
tem is most significant in eutrophic lakes (Leibold
1989; Sarnelle 1992) and generally more so in
shallow lakes (Jeppesen and others 1997b). The
duration, course, and outcome of the transient
phase in shallow, eutrophic lakes after an external
nutrient-loading reduction are particularly affected.
The majority of detailed lake-recovery studies follow-
ing nutrient-loading reduction describe the early,
short-term effects; only a few cover more than a
decade [for example, see Sas (1989), Edmonson
(1985), Cullen and Forsberg (1988), Welch and
Cooke (1995), Lathrop and others (1996) and Hosper
(1997)]. To our knowledge, no long-term recovery
studies have investigated the entire pelagic, biologi-
cal community from bacteria to fish in combination
with nutrient dynamics.

We followed the recovery phase of shallow hyper-
trophic Lake Søbygård for 18 years and more inten-
sively for the past 12 years. The study consisted of N
and P mass balances (Jensen and others 1992;
Søndergaard and others 1993), internal P loading
(Søndergaard and others 1990, 1993), and changes
in pelagic trophic structure from bacteria to fish
(Jeppesen and others 1990b, 1990c, 1992, 1996,
1997a; Hansen and Jeppesen 1992; Mortensen and
others unpublished data). Phytoplankton and bacte-
rioplankton production and zooplankton grazing
were also measured (Jeppesen and others 1996,
1997a). In this report, we present an analysis of data
from the entire study period, with special emphasis
on biotic changes in the pelagial. We demonstrate
how profoundly the recovery process in shallow

hypertrophic lakes may be affected by perturbations
in the fish community, mediated by both external
factors and internal feedback mechanisms.

STUDY AREA

The study was conducted in Lake Søbygård, a small
(0.39 km2) shallow (mean depth, 1.0 m; and maxi-
mum depth, 1.9 m) lake in Jutland, Denmark. The
hydraulic retention time is short, with an annual
mean of 18–27 days and a summer mean of 23–34
days. The lake catchment area is 12 km2, consisting
of grassland, areas under intense agricultural cultiva-
tion, and forest. The lake shoreline is forested,
except to the west, where it is exposed to the
prevailing westerly wind. Emergent and floating-
leaved macrophytes are sparsely developed, and
submerged vegetation is absent.

The lake receives from 80% to 90% of its water
from an inlet that also receives sewage effluent from
a small town, while iron-rich groundwater repre-
sents approximately 10% of the water input. The
lake received large amounts of primary treated
sewage water during the 1960s and early 1970s. In
1976, biological treatment was initiated at the sew-
age plant, and this led to a threefold to tenfold
reduction in organic matter loading to the lake. In
1982, P stripping was introduced at the plant and, in
1987, external N-loading was reduced by closing
down a local slaughterhouse.

MATERIALS AND METHODS

Chemical Variables
Water samples were collected fortnightly or more
often (between 1000 and 1200 h) with a Patalas
sampler at a midlake station at 0.5-m and 1.5-m
depth. Mixed total P (TP) was determined as molyb-
date-reactive P (Murphy and Riley 1962) after
persulfate digestion (Koroleff 1970). Total N (TN)
was determined as nitrites 1 nitrate after potassium
persulfate digestion (Solórzano and Sharp 1980).
Nitrites and nitrate were determined as nitrite on a
Tecator 5012 flow-injection analyzer supplied with
a copper–cadmium reductor column. Chlorophyll a
was determined spectrophotometrically after etha-
nol extraction [according to the method described
by Jespersen and Christoffersen (1987)], except for
1978–81, when acetone extraction was used. Be-
cause acetone extraction of chlorophyll a in green
algae is inefficient, chlorophyll a before 1982 was
most likely underestimated.

Mass Balances
The study of Lake Søbygård was initiated in 1978
and a more intensive program began in 1984. To
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estimate N and P loading and retention, water was
sampled manually in the main inlet and in the
outlet in 1978 and in 1981 and with an automatic
sampler from 1984 to 1995. In 1978 and in 1981,
discrete samples were taken monthly in the inlet
and outlet. Beginning in 1984, 3–4 samples were
taken during each 24-h period. Before analysis,
samples were pooled to represent either a 1-day or
7-day average. Additional water samples were taken
2–8 times in 1985 from other small streams entering
the lake. Discharge (Q) of the lake inlet was mea-
sured 46 times during the study period. In the lake
outlet, discharge was calculated from automatically
recorded data of water level (H) by using a derived
relationship between H and Q. In the small spring-
fed streams along the lake shore, discharges were
also measured 2–8 times during 1985. These sources
accounted for approximately 10% of the total water
input to the lake throughout the season. Daily
values of Q inlet could therefore be calculated as
Q-outlet minus Q-springs. Daily total N and P
concentrations were calculated by linear interpola-
tion of observed values. N and P transport in the
main inlet, in the outlet, and in the springs entering
the lake was calculated by multiplying daily water
discharge values with interpolated daily N and P
concentrations. N and P precipitation on the lake
surface was considered to be constant during the
investigation period (5 mg N m22 d21 and 0.04 mg P
m22 d21) (Hovmand and others 1993). Monthly
retention of P and N was then calculated by using
the mass balance model of Messer and Brezonik
(1978): retention 5 total input 1 storage 2 total
output. N fixation was not included, but is consid-
ered of minor importance because cyanobacteria
biomass was low during 1984–95.

Biological Variables
The abundance and biomass of phytoplankton and
zooplankton were determined on composite samples
from a midlake station and, in the case of zooplank-
ton, also at an eastern station and a western station
on occasion. For enumeration of zooplankton, 6.6–
7.2 L of water from each station was filtered through
a 50 µm (1984) or 20 µm (1985–95) mesh sieve and
then fixed with 1 mL Lugol’s solution in 100 mL tap
water. Subsamples were counted at 40- to 100-fold
magnification, depending on zooplankton size. Be-
tween 2% and 100% of the sample volume was
counted on each sampling date, depending on
zooplankton abundance. During periods with peak
zooplankton densities, all samples were counted;
otherwise, only one sample (midlake station) was
analyzed. Phytoplankton were counted in an in-
verse microscope, and biovolume was determined

for each species or subspecies by using geometric
formulae (Olrik 1991). We used 0.24 pg C µm23

(Reynolds 1984) to convert biovolume to carbon.
Ciliates were counted from the phytoplankton

samples. At least 100 individuals per sample were
counted, if possible, and maximum length mea-
sured on a minimum of 50 cells. Species determina-
tion was not performed.

Bacterioplankton production was estimated ac-
cording to the method described by Fuhrmann and
Azam (1982), with only minor changes (Jeppesen
and others 1992). Triplicate 25-mL samples and
controls (formalin killed) were incubated in situ
with 12.5 nM 3H-methylthymidine for 15–60 min,
depending on lake-water temperature. Production
was calculated from 3H-methylthymidine by using
the following conversion factors: 2 3 109 cells nmol
thymidine21 (Riemann and others 1982) and 25 tg C
cell21 (R. Bell personal communication). Bacteria
were enumerated according to the method de-
scribed by Hobbie and colleagues (1977), with
minor modifications (Jeppesen and others 1992) at
15603 magnification by using a Leitz epifluores-
ence microscope equipped with a 75-W mercury
lamp. At least 500 cells were counted on 2–3
different fields, and cell dimensions recorded. Cells
were divided into rods (8 size classes) and cocci (8
classes), and cell volume was calculated by using
standard geometric formulae.

Phytoplankton production corrected for dark fixa-
tion was estimated from the photosynthesis-versus-
irradiance relationship determined from laboratory
incubation with H2

14CO3 at six different light inten-
sities. From this relationship, a 24-h integrated
value of areal production was then calculated by
using observations of lake Secchi depth (converted
to a light-extinction coefficient) and hourly data of
surface irradiance at a station situated 30–40 km
from the lake. Zooplankton community grazing on
phytoplankton and bacteria was estimated accord-
ing to the method described by Jeppesen and col-
leagues (1996). In total, 32 grazing experiments
were carried out during 1984–86 and 1992 by using
3H-thymidine-labeled bacterioplankton and 14C-
labeled phytoplankton. Specific clearance rate and
daily ingestion of the different zooplankton species,
which were temperature corrected to 15°C accord-
ing to the method described by Gulati and col-
leagues (1982) and corrected for isotope loss (Jeppe-
sen and others 1996), were estimated by multiple
regression. Total daily ingestion for the entire study
period was then calculated by multiplying the calcu-
lated biomass-specific daily ingestion, adjusted to
actual water temperature, with the biomass of the
different zooplankton.
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Density, biomass, and age structure of fish popula-
tions were estimated by mark–recapture and scale
analysis in midsummer 1986 (Mortensen and oth-
ers unpublished manuscript). Beginning in 1987, an
annual gill-net survey was conducted (Mortensen
and others unpublished manuscript) between 15
August and 15 September (November in 1988) at a
time when fish fry could be included in the catches.
The lake was divide into six sections, and in each
section three multi-mesh-size gill nets (14 different
mesh sizes ranging form 6.25 to 75 mm) were set
overnight (from about 1600 to 0900 h). One gill net
was set perpendicular to the shoreline, another was
set parallel with and about 25 m from the shoreline,
and the third was set at about half the distance from
the center of the lake.

All chemical and biological variables, except fish,
are interpolated summer (1 May–1 October) or
annual means of 10–91 samples based on fort-
nightly or more frequent samplings.

RESULTS

Nutrient Loading, Water Chemistry,
and Secchi Depth
Since 1982, P removal measures at the treatment
plant have resulted in a loading reduction from
28–33 g P m22 y21 in 1978–81 to 2–7 g P m22 y21

(Figure 1). Annual mean TP concentrations in the
main inlet decreased from 1–3 mg P L21 to 0.15–0.25
mg P L21 (Søndergaard and others 1993). Compar-
atively minor changes were observed in inlake
mean summer TP ranging from 0.9–1.6 mg P L21

before the P-loading reduction to 0.4–1.0 mg P L21

after the reduction (Figure 2). However, linear
regression with time as the independent variable
revealed a significant decline in summer mean TP
from 1978 to 1995 (P , 0.04, r2 5 0.25, n 5 15).
The minor response to the P-loading reduction
reflects high internal loading. Accordingly, lake
retention of TP shifted from positive values before
1982 to negative values after. Net release ranged
between 1.9 and 5.4 g P m22 y21 during 1983–95
without showing any declining trend over time. Net
release was, however, positively related to annual
mean lake-water chlorophyll a (log-transformed
data, r2 5 0.54, P , 0.02, n 512) after the
P-loading reduction. The observed annual mean
inlake TP (TPlake) was lower than predicted from
the Vollenweider (1976) equation (TPlake 5 5TPin[1/
(1 1 Îtw)]6, TPlake, where tw is the hydraulic reten-
tion time (years) and TPin is the annual mean inlet
TP concentration). Following the reduction, the
observed TPlake was substantially higher than the
predicted values (Figure 3). Closing the slaughter-

house in July 1987 resulted in a reduction in N
loading from 350–498 mg N m22 d21 during 1984–86
to 195–299 mg N m22 d21 during 1988–95 (Figure
1). N retention ranged from 137–200 mg N m22 d21

before 1987 to 55–118 mg N m22 d21 after the
N-loading reduction. Between 22% and 40% of the
loading was retained (including loss by denitrifica-
tion) in the lake, and there was no tendency toward a
temporary reduction in the retention percentage
after the TN-loading reduction. The lake summer
mean TN averaged 4.0 mg N L21 before and 2.2 mg N
L21 after the N-loading reduction in 1987 (Figure 2).

The changes observed in annual mean inlake TN
(TNlake) closely followed those predicted by Windolf
and colleagues (1996) for 16 shallow Danish lakes
[TNlake 5 0.27 TNin tw20.22 z0.12, where TNin is annual
mean inlet concentration and z is mean lake depth
(in meters)] (Figure 3). The TN–TP ratio was low,
ranging from 3.5–7.8 (mean, 5.4) before 1987 to
3.0–6.0 after 1987 (mean, 4.2) (Figure 2).

Despite the relatively small changes in TP and TN
in the lake, chlorophyll a, water transparency, and
pH changed markedly (Figure 2). Mean summer
chlorophyll a was relatively low (50 µg L21) in 1978,
two years after biological treatment was imple-
mented at the upstream sewage plant, and in 1981
chlorophyll a then increased, peaking in 1984 (840

Figure 1. Estimated annual mean external loading of
total phosphorus, total nitrogen and net retention from
1978–1995. External sewage loading of phosphorus and
nitrogen was reduced in 1982 and in 1987, respectively
(shown by broken lines). n.d. 5 no data.
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µg L21), two years after the external P-loading
reduction caused by P stripping at the plant. There-
after, chlorophyll a decreased to 139 µg L21 in 1989
and has since fluctuated between 133 and 299 µg
L21 without any distinct pattern. Maximum chloro-

phyll a varied from 110 µg L21 in 1978 to as much as
1400 µg L21 in 1985. Concurrent with the changes
in chlorophyll a, summer mean Secchi depth de-
creased from more than 1.20 m in 1978 to 0.31 m in
1984 and has since fluctuated between 0.55 and
0.84 m. Mean pH increased from 8.3 in 1978 to 10.2
in 1984–85, after which it ranged between 8.6 and
9.9. Maximum recorded pH was as high as 11 in
1985. The diel variation in pH was typically less than
0.3 (Søndergaard and others 1990).

Phytoplankton and Zooplankton
The major changes in chlorophyll a were accompa-
nied by changes in the phytoplankton community
structure (Figure 4). In 1978, when chlorophyll a
was low, cyanobacteria (primarily Aphanizomenon
flos–aqua) and small spherical green algae (mainly

Figure 2. Interpolated summer (1 May–1 October) mean
chlorophyll a, Secchi depth, pH, total phosphorus (P),
total nitrogen (N), N–P ratio, and lake-water temperature
during 1978–95. Minimum Secchi depth and maximum
values of the other variables, except for the N–P ratio, are
also shown.

Figure 3. Observed annual mean total phosphorus and
total nitrogen concentrations compared with predicted
values based on equations developed by Vollenweider
(1976) and Windolf and colleagues (1996), respectively.
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Chlorella) were most abundant, each constituting
about 30% of the total volume. Following the major
increase in chlorophyll a during 1981–85, cyanobac-
teria almost disappeared, while first Chlorella in
1981–82 and subsequently Scenedesmus spp. in
1984–85 became exclusively dominant, constituting
64%–82% and 70%–83% of the total volume,
respectively. The decline in chlorophyll a during
1986–92 corresponded with an increase in the
abundance of large or gelatinous green algae. Subse-
quently, Scenedesmus increased again to 52% in
1995. In addition, the contribution of diatoms and
cryptophytes to the total biovolume (summer
means) increased significantly with time (linear
regression, P , 0.01, r2 5 0.43, n 5 14).

Changes in phytoplankton mean volume were
accompanied by significant changes in light-satu-

rated phytoplankton production (Pmax). Pmax had a
significant positive relationship to phytoplankton
volume and temperature, but declined with increas-
ing phytoplankton mean volume (Table 1). Accord-
ingly, volume-specific chlorophyll a declined signifi-
cantly with increasing mean volume. However, Pmax

per unit of chlorophyll a increased slightly with
phytoplankton mean volume, indicating a ‘‘chloro-
phyll a package effect’’ (Elser and others 1986) that
partly compensated for the reduction in volume-
specific Pmax. Nevertheless, total biomass and total
primary production decreased with increasing phy-
toplankton mean volume (Figure 5).

From the foregoing data, it is obvious that the
major changes in chlorophyll a and the phytoplank-
ton community and its size distribution cannot be
explained by changes in nutrient concentrations.
On the other hand, these changes suggest major
top-down control variations mediated by changes in
zooplankton abundance, size distribution, and graz-
ing. The macrozooplankton community consisted of
only a few species. Daphnia longispina and Bosmina
longirostris completely dominated the cladoceran
community, contributing 95%–100% of the clado-
ceran biomass. No calanoid copepods were found,
and the cyclopoids were exclusively dominated by
Cyclops vicinus, whose mean summer density ranged
between 200 and 492 individuals L21 (Figure 6),
except for 1990, when low densities were recorded.
Maximum densities of C. vicinus exceeded 2000
individuals L21 (Hansen and Jeppesen 1992). During
the study period, the number of rotifer taxa identified
in a given year ranged between 6 and 31. Species of
Brachionus were exclusively dominant in 1984–86
and again in 1995. In other years, the rotifer
community was diverse, with species of Keratella,
Synchaeta, Filinia, Polyathra, and Asplanchna dominat-
ing the rotifer biomass (unpublished data).

The structure and abundance of filter-feeding
zooplankton changed markedly (Figure 6). In the
early 1980s, densities of B. longirostris were high: in
1981, the mean abundance was 200 indiv L21. In
1983, it was 850 indiv L21, and maximum densities
as high as 10,000 were recorded, while chlorophyll
a was relatively low (data now shown). However,
Bosmina almost disappeared in June 1983, and
phytoplankton became abundant. Low cladoceran
density and biomass were also recorded in 1984 and
1985 (Figures 5 and 6), when summer mean chloro-
phyll a was at its highest. Concurrently with the
subsequent decline in chlorophyll a and algal bio-
mass during 1986–89, cladoceran biomass increased
with Daphnia longispina dominating (Figures 2 and
6). At the same time, Scenedesmus spp. were replaced
by less-grazing-sensitive species (Figure 4). Among

Figure 4. Percentage contribution to the biovolume of
various lake-water phytoplankton groups during 1978–
95. The percentages are estimated from interpolated
summer mean values (n.d., no data).
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these, Coelastrum spp. dominated in 1986–87, and
Pediastrum boryanum and Ankyra judayi dominated
in 1988–89 (Figure 4). Thereafter, the zooplankton
community shifted to a dominance by B. longirostris
and rotifers in 1990–91, with an accompanying
increase in intermediate-sized green algae, such as
Oocystis and Dictyosphaerium sp. In 1992, D. longispina
was again the most abundant filter feeder, and the
large P. boryanum returned as the dominant green
algae.

Accordingly, mean sizes of phytoplankton and
zooplankton changed markedly. Cladoceran mean
size increased threefold from approximately 0.4 mm
in 1984–85 to 1.1–1.2 mm in 1988–89, and the
phytoplankton mean volume simultaneously in-
creased five- to eightfold to 1140–1230 µm3 (Figure
5). Intermediately low phytoplankton mean vol-
umes were found in 1990–91. Linear regression
revealed a significant positive relationship between
the mean size of phytoplankton compared with
total cladoceran biomass, total zooplankton bio-
mass, and the estimated zooplankton-grazing pres-
sure on phytoplankton (Table 2), and between
mean phytoplankton volume (Mvol) compared with
mean size of cladocerans (Csize) [Mvol (µm3) 5
20.1 1 1.0 * Csize (µm) (r2 5 0.55, P , 0.01,
n 5 10)].

A grazing equation for the lake based on 31
measurements of clearance rates on 14C-labeled
phytoplankton during 1984–91 (Jeppesen and oth-
ers 1996) revealed the importance of grazing.
Zooplankton ingested 1%–2% of the phytoplank-
ton biomass d21 during summer in 1984–85 (2%–4%
of phytoplankton production), increasing to 20%–
27% (40%–53% of production) in 1988–90. In the

subsequent years, it varied between 9% and 22 % of
the biomass d21 (Figure 5). Linear regression re-
vealed a significant negative relationship between
estimated zooplankton grazing compared with total
phytoplankton biomass and grazing compared with
phytoplankton production (Table 2).

Ciliates and Bacterioplankton
The summer mean abundance of ciliates ranged
from 299 mL21 in 1985 to 117 mL21 in 1990 (Figure
7). The average maximum length of ciliates ranged
from 14.5 to 24 µm and was highest (18–24 µm) in
years when Bosmina longirostris and rotifers domi-
nated, and was particularly high (24 µm) in 1990
when the biomass of cyclopoid copepods was low.

The biomass of bacterioplankton ranged between
0.21 and 0.41 g C m22. It was particularly high in
years with low zooplankton biomass or high bio-
mass of rotifers and B. longirostris (1985, 1990, and
1991). Small bacteria dominated, the average vol-
ume ranging from 0.050 µm3 cell21 to 0.074 µm3

cell21, with the lowest volumes occurring when
Bosmina and rotifers were abundant. Bacterioplank-
ton production was relatively constant (0.15–0.22 g
C m22 d21) during most years, but somewhat higher
in 1990–91 (0.31–0.32 g C m22 d21).

The impact of zooplankton on bacterioplankton
was further elucidated by a grazing equation devel-
oped by Jeppesen and colleagues (1996) on the
basis of grazing experiments in the lake with 3H-
thymidine-labeled bacterioplankton. The calculated
ingestion was low in 1985 (less than 0.7% of
bacterioplankton biomass), but increased to a maxi-
mum of 67% of bacterioplankton biomass and 88%
of bacterioplankton production in 1988. Bacterio-

Table 1. Multiple-Regression Analysis Relating Light-Saturated Phytoplankton 14C Production
(Pmax, mg C L21 d21) During Summer (1 May–1 October) to Chlorophyll a (Chla, µg l21), Mean Phytoplankton
Volume (Mvol µm3 Cell21), Phytoplankton Volume (Tvol. mm3 l21), and Water Temperature (Temp. °C) for the
Entire Study Period. All, Except Temperature, Are Loge Transformed, SE in Parenthesis

Intercept Loge (Chla) Loge (Tvol) Loge (Mvol) Temp P, r2 n

Loge (Pmax) 25.3**** 0.93*** — 0.15*** — 0.0001 0.87 137
(0.2) (0.03) (0.04)

Loge (Pmax) 25.9**** 0.91**** — 0.09* 0.04*** 0.0001 0.88 134
(0.2) (0.03) (0.04) (0.01)

Loge (Pmax) 23.5**** — 0.82**** 20.21**** — 0.0001 0.79 137
(0.1) (0.04) (0.05)

Loge (Pmax) 24.4**** — 0.81**** 20.27**** 0.05*** 0.0001 0.80 134
(0.3) (0.04) (0.05) (0.01)

*, **, ***, **** are P , 0.05, 0.01, 0.001, 0.0001, respectively.
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plankton biomass was depressed the same year
(Figure 7). Low grazing and high biomass of bacte-
rioplankton were found in 1990–91 (B. longirostris
and rotifer dominance). However, no significant
relationship was found between estimated zooplank-
ton grazing on bacterioplankton compared with
either biomass, production, or size of bacterioplank-
ton (Table 2).

Fish
The major changes in the zooplankton community
structure and size distribution suggest large varia-
tions in fish predation. Quantitative information on
fish is available from 1986 to 1996. In 1986, the
total biomass of the planktivorous fish population

was estimated as 67 g wet weight m22. Roach
(Rutilus rutilus), rudd (Scardinius erypthrophtalmus),
and bream (Abramis brama) constituted 63%, 34%,
and 3% of the biomass and 53%, 46%, and 1% of
the planktivorous fish density, respectively. For
these three species, the age classes 21 and 81
represented more than 80% of the fish population
in terms of numbers, while fish younger than 2–3
years and older than 8 years were almost absent.

Major changes in catches per net (that is, catch
per unit effort, CPUE) in multiple-mesh-sized gill
nets were observed since 1987 (Figure 8). The CPUE
for roach in terms of numbers ranged from 34 to
205. Rudd and three-spined sticklebacks (Gasteros-
teus aculeatus) were particularly abundant in 1989–
90. CPUE of the potentially carnivorous perch was
less than 3, but there was a tendency toward
increasing abundance from 1988 to 1995. CPUE, as
biomass, fluctuated less. Mean CPUE of the fish

Figure 5. Interpolated summer means of the biomass of
various zooplankton, phytoplankton production, and bio-
mass, estimated macrozooplankton grazing in percentage
of phytoplankton production and biomass, average size of
cladocerans, and average biovolume of phytoplankton
during 1984–95 (n.d., no data).

Figure 6. Interpolated summer mean abundance of vari-
ous zooplankton during 1981–95 (n.d., no data).
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community ranged between 9.0 and 16.9 kg net21

in 1990 and 1994–95 (Figure 8), respectively, mainly
due to roach (CPUE, 8.1–15.4 kg net21) and rudd.
The biomass of predatory fish was less than 3%.
Linear regression revealed a significant negative
relationship between total cladoceran biomass and
mean length of Daphnia spp. compared with cypri-
nid CPUE numbers and between mean length of
Daphnia compared with CPUE, while a weak nega-
tive relationship between CPUE and the estimated
zooplankton grazing on bacterioplankton was ob-
served (Table 3). No significant relationships be-
tween CPUE in terms of biomass and any of these
variables were found (data not shown).

DISCUSSION

Prolonged Internal Loading
of Total Phosphorus
Most studies of recovery following P-loading reduc-
tion have shown negative net retention of P for 0–5

years (Sas 1989; Van der Moelen and Boers 1994).
Despite the low hydraulic retention time of a few
weeks, net retention of P in Lake Søbjård has
remained negative for 13 years now (or 204 water
renewal times). Even in 1995, P concentrations still
exceeded five times the value predicted by the
equation developed by Vollenweider (1976). The
high and persistently negative retention reflects a
high-P pool in the sediment amounting to 240 g P
m22 of the upper 23 cm of sediment as measured in
1990 (Søndergaard and others 1993). Immediately
following the external loading reduction, TP was
released from the surface sediment, but at present it
is being released from the 18- to 23-cm sediment
level (Søndergaard and others 1993 and unpub-
lished results). Based on iron–TP ratios in the upper
sediment, Søndergaard and colleagues (1993) ar-
gued that at least 26 g P m22 was expected to be
released after 1990 before a new equilibrium based
on the present P-loading could be obtained. From
1990 to 1995, the net release has been 17 g P m22.

Table 2. Linear Regression Relating Various Phytoplankton and Bacterioplankton Variables to Cladoceran
Biomass and Estimated Zooplankton-Grazing Rates (All Data Are Interpolated, Log-Transformed Summer
Means), SE in parenthesis

Loge (Cladoceran Biomass,
mg C L21)

Loge (Zooplankton Biomass,
mg C L21)

Loge (Zooplankton Grazing,
mg C L21 d21)

Inter-
cept Slope P, r2 n

Inter-
cept Slope P, r2 n

Inter-
cept Slope P, r2 n

Loge (phyto-
plankton biomass,
mg C L21)

1.86
(0.13)

20.32
(0.06)

0.0002 0.76 11 1.97
(0.18)

20.89
(0.27)

0.01 0.51 11 2.32
(0.115)

20.82
(0.19)

0.002 0.64 11

Loge (phyto-
plankton
production, mg C
L21 d21)

1.33
(0.06)

20.22
(0.06)

0.006 0.59 10 1.44
(0.12)

20.56
(0.18)

0.03 0.42 10 1.66
(0.11)

20.57
(0.19)

0.02 0.50 10

Loge (phyto-
plankton mean
volume, µm3)

6.59
(0.23)

0.27
(0.10)

0.03 0.43 10 6.55
(0.22)

0.88
(0.34)

0.04 0.42 10 6.22
(0.16)

0.78
(0.26)

0.02 0.49 10

Loge (bacterio-
plankton
production,
mg C L21 d21)

21.56
(0.14)

0.07
(0.09)

NS 0.06 10 21.58
(0.11)

0.16
(0.19)

NS 0.08 10 21.90
(0.25)

20.10
(0.08)

NS 0.14 10

Loge (bacterio-
plankton biomass,
mg C L21)

21.26
(0.13)

20.13
(0.08)

NS 0.23 10 21.17
(0.11)

20.17
(0.18)

NS 0.09 10 21.47
(0.23)

20.13
(0.08)

NS 0.25 10

Loge (bacterio-
plankton mean
volume, µm3

cell21)

22.84
(0.05)

20.05
(0.03)

NS 0.26 10 22.81
(0.04)

20.12
(0.07)

NS 0.28 10 22.82
(0.10)

20.02
(0.03)

NS 0.03 10

NS, not significant.

258 E. Jeppesen and others



Predictions based on a dynamic P model suggest that
another decade will pass before the equilibrium is
reached (Jensen and others 1994a).

Net P release was positively related to chlorophyll
a during 1983 to 1995, indicating benthic–pelagic
coupling. The higher net release in years with high
chlorophyll a was probably caused by higher oxy-
gen consumption in the sediment mediated by a
higher sedimentation of phytoplankton. The impor-
tance of microbial metabolism for P release from

sediments in shallow lakes has been demonstrated
in several studies [for example, see Gächter and
colleagues (1988) and Boström and colleagues
(1988)], including Lake Søbygård (Jensen and
Andersen 1992). In the years with high chlorophyll
a, pH was also high. High pH reduced P binding to
iron hydroxides in the lake sediments, thereby
enhancing P release to the overlying water [for
example, see Boström and colleagues (1982)].
Jensen and Andersen (1992) confirmed that high
pH may cause an increase in the P-release rate from
the sediment in Lake Søbygård in early spring, but
that the pH effect is less important compared with
the microbial-mediated release during summer.
Lower net internal loading due to a grazer-mediated
reduction in chlorophyll a has also been found in
several fish manipulation studies [for example, see

Figure 7. Summer means of the contribution of Daphnia
as a percentage of total cladoceran abundance (calculated
from interpolated means), abundance and mean length of
ciliates, estimated zooplankton grazing on bacterioplank-
ton as a percentage of bacterioplankton biomass and
production, and mean bacterioplankton volume during
1984–95. (n.d., no data.)

Figure 8. Average catch per unit effort (CPUE) of predomi-
nant fish species caught in multiple mesh-sized gill nets
(14 sizes between 6.25 and 75 mm; 18 nets) during 16 h
(overnight) between 15 August and 15 September of each
year (November in 1988). CPUE in terms of numbers and
biomass are given; roach, Rutilus rutilus, bream, Abramis
brama, rudd, Scardinius erythrophthalmus, perch, Perca flu-
viatilis, stickleback (three-spined), Gasterosteus aculeatus.
No fish data (n.d.) exist before 1986, but mark–recapture
experiments from 1986 suggest higher numbers during
the early 1980s, as indicated by the arrow. (n.d., no data.)
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Reinartsen and Olsen (1984, Shapiro and Wright
(1984), Søndergaard and others (1990), and Benn-
dorf (1990)].

In contrast to P, the N-loading reduction did not
appear to affect the TN retention percentage, suggest-
ing fast equilibration. This suggests that a large part
of the N was denitrified, resulting in little accumula-
tion of inorganic N in the sediment (Jensen and
others 1992). The observed annual mean TN closely
matched the one predicted by the equation of
Windolf and colleagues (1996) for 16 shallow Dan-
ish lakes (Figure 3). According to this model, water
TN is related to discharge-weighted inlet concentra-
tions, hydraulic retention, and mean depth.

The Vollenweider equation predicts that TPlake in
equilibrium with the present loading will be 0.105
mg P L21, which is 21% of the 1995 level. The
equilibrium concentration of TP is so high that the
lake, in all probability, will remain in a turbid state.
Diversion of sewage and a reduction in the diffuse
loading from arable land may be necessary to shift

the lake to the clear-water state with extensive
growth of submerged macrophytes, which character-
ized the lake in the previous century, as suggested
by paleoecological studies of lake sediment (Ander-
son and others unpublished; Jeppesen and others
unpublished).

Strong Cascading Effects of Fish
on Zooplankton

The marked changes found in trophic dynamics, pH,
and Secchi depth could largely be attributed to the
major variations in the fish population structure and
abundance rather than to changes in the external
loadings of organic matter, P, and N. The variation in
fish abundance most likely reflects variations in
oxygen concentration and pH (Figure 9).Hence, the
low abundance of fish recruited before 1979 can be
attributed to the frequent and severe summer fish
kills in the 1970s (Andersen and others 1979;
Mathiesen and Christensen 1981), most likely caused
by oxygen depletion due to high organic loading as
seen in other studies of hypertrophic lakes (Barica
1975; Carvalho 1994). Following the introduction
of biological sewage treatment in 1976, the oxygen
concentration increased, and the last major fish kill
occurred in 1978. Likewise, the low CPUE of rudd
and roach during 1986–88 compared with 1989–95
(Figure 8) can be mainly ascribed to the near
absence of fish recruitment from 1984 to 1987. This
poor recruitment may have resulted from high pHs
in those years. In support of this theory, Timmer-
mann (1987) showed that the 1986 spawning of
roach and rudd was delayed 1–2 months, and
spawning occurred simultaneously with a pH reduc-
tion caused by a major phytoplankton collapse. It
cannot, however, be excluded that the low CPUE
during 1986–88 was influenced by large commercial
harvests of roach and rudd that corresponded to
17% of the biomass estimate from 1986.

Changes in the age structure and density of the
planktivorous fish population were discernible in
zooplankton structure and abundance. We have no
quantitative zooplankton data from the 1970s when
fish kills were observed. However, the large clado-
ceran, D. magna, occurred in high densities during
summer and dominated the efflux of organic matter
from the lake (Holm and Tuxen-Pedersen 1975).
Furthermore, sediment analyses revealed a high
abundance of resting eggs of large daphnids (D.
magna or D. pulex) deposited in the 1970s (Jeppesen
and others unpublished data). Large daphnids were
apparently abundant in 1978, when chlorophyll a
was low from late May to September (Andersen and
others 1979), the year of the last fish kill.

Table 3. Linear Regression of Some Zooplankton
Variables and Estimated Grazing on Phytoplankton
and Bacterioplankton Compared with the Average
Number of Cyprinids Caught in
Multiple-Mesh-Size Gill Nets (14 Different Mesh
Sizes, 6.25–75 mm) During 16 Hours in Early
Autumn (15 August–15 September). The
y-Variables Are Interpolated Summer Means. All
Data Are Loge Transformed to Stabilize Variance.
SE in Parenthesis

Loge

(CPUE of Cyprinids, No Net 21)

Intercept Slope P, r2 n

Loge (cladoceran
biomass, mg C L21)

1.72
(1.01)NS

20.57
(0.04)

0.04 0.45 9

Loge (zooplankton
biomass, mg C L21)

1.77
(0.76)

20.45
(0.17)

0.03 0.48 9

Loge (Daphnia mean
size, mm)

0.90
(0.31)

20.21
(0.07)

0.02 0.53 9

Loge (Bosmina mean
size, mm)

20.89
(0.22)

20.05
(0.05)

NS 0.11 8

Loge (grazing on
phytoplankton, mg
C L21 d21)

1.55
(0.94)NS

20.31
(0.21)

NS 0.22 9

Loge (grazing on
bacterioplankton,
mg C L21 d21)

1.26
(1.93)NS

20.94
(0.43)

0.06 0.41 8

CPUE, catch per unit effort; NS, not significant.
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The major changes in zooplankton community
structure and size with changes in CPUE numbers of
planktivorous fish are in accord with the size-
efficiency hypothesis (Brooks and Dodson 1965).
The shifts occurred despite relatively minor changes
in CPUE biomass, however, which underlines the
importance of young fish in structuring zooplank-
ton communities (Cryer and others 1986; Mills and
others 1987; He and Wright 1992; Søndergaard and
others 1997; Jeppesen and others 1997b). The
significant negative relationship between clado-
ceran biomass and mean size of D. longispina to
cyprinid CPUE numbers, but not biomass, provides
further evidence.

Effects of High pH on Trophic Dynamics
Besides being influenced by fish, the extremely low
abundance of cladocerans in 1984 and 1985 may be
attributed to high pH. Midmorning pH was above
10.5 approximately half of the time during the
summers of 1984 and 1985 [data in Jeppesen and
others (1990c)], and field experiments in the lake
(Hansen and others 1991) have shown a negative
effect on D. longispina survival when pH is greater
than 10.5. Likewise, laboratory experiments by
Vijverberg and colleagues (1996) showed enhanced
mortality of juvenile and adult D. galeata at pH
above 10.5 and of eggs and neonates at pH above pH
10. The pH effect is self-perpetuating, as a pH-
mediated reduction in cladoceran abundance re-
duces the zooplankton-grazing pressure on phyto-
plankton (Figure 9). This reduction facilitated an
increased growth of phytoplankton and higher pH

with negative feedback on cladocerans. Results
from the enclosure experiments also indicate that
high pH may increase the P release from the sedi-
ment and inhibit nitrification and accordingly un-
couple nitrification–denitrification leading to in-
creased ammonium release (Hansen and others
1991), which, in turn, may potentially stimulate
phytoplankton growth. As just described, however,
high pH seemed to have a negative influence on the
spawning success of the fish (Mortensen and others
unpublished manuscript). Reduced abundance of
fish resulted in lower predation on cladocerans. In
1986, cladoceran densities reached high enough
densities to reduce phytoplankton biomass and
production, as well as pH values. The resultant
lower pH levels, in turn, improved conditions for
fish recruitment, which caused enhanced predation
on cladocerans (Figure 9). Accordingly, the marked
variations in the biological structure in Lake Søby-
gård seemed partly influenced by pH-mediated ef-
fects on biological structure and nutrients: pH-
provoked variations at the top (fish and zooplankton)
and at the bottom (N and P) of the food web that, at
least for the former, influenced phytoplankton and
Secchi depth.

Strong Cascading Effect of Zooplankton
on Phytoplankton
The fish-mediated and pH-mediated changes in
zooplankton had a major impact on the phytoplank-
ton composition, size distribution, and production.
Our data strongly suggest that the marked interan-
nual variations in the contribution of the various

Figure 9. A conceptual
model for how organic load-
ing and pH are suggested to
have affected the trophic
structure and dynamics in
the pelagial of Lake Søby-
gård during 2 decades.
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phytoplankton species to the total biovolume were
largely determined by the changes in zooplankton
composition, size, and grazing pressure. When clado-
ceran biomass was low, Scenedemus dominated. When
small B. longirostris and rotifers became abundant, a
shift occurred to small or intermediate-sized green
algae (mainly Chlorella spp. and Oocystis). When
intermediate-sized Daphnia (D. longispina) domi-
nated, algae shifted to intermediate-sized Pediastrum
spp. Finally, when large D. magna dominated, there
was a shift from large flake-forms of Aphanizomenon
flos–aqua, as observed in other studies of highly
eutrophic lakes (Lynch 1980; Fott and others 1980;
Andersson and Cronberg 1984). The shift to large
algae caused a marked decrease in the volume-
specific Pmax and total phytoplankton production.
These changes all support the trophic cascade hy-
pothesis (Carpenter and others 1985). However,
strong support for the hypothesis has only been
found in some cases (Carpenter and Kitchell 1993).
Kerfoot (1987) demonstrated a tendency toward a
unimodal relationship between grazing pressure
and algal size, large algae being dominant at interme-
diate Daphnia densities. Our data indicate that phy-
toplankton mean volume correlated more strongly
with zooplankton size than with zooplankton-
grazing pressure (Figure 5).

The high cascading effect of fish on zooplankton
contradicts ‘‘the intermediate hypothesis’’ (Carney
and Elser 1990; Carney 1990), which claims that
herbivory declines from mesotrophic to hypertro-
phic lakes because the phytoplankton community
becomes dominated by less nutritious and less
palatable algae. Our results show that, in hypertro-
phic Lake Søbygård, the phytoplankton community
was dominated by edible green algae and that the
intensity of herbivory seems mainly influenced by
changes in the abundance of planktivorous fish.
This is in accord with results from a cross-analysis of
data from 39 shallow Danish lakes showing a close
negative relationship between the zooplankton–
phytoplankton biomass ratio and the abundance of
planktivorous fish, while percent cyanobacteria in
terms of biovolume did not contribute significantly
to the relationship (Jeppesen and others 1997b).
Moreover, in eutrophic Danish lakes alternately
dominated by blue-green and green algae, the
zooplankton–phytoplankton biomass ratio showed
no significant year-to-year variation (Jeppesen and
others unpublished), suggesting that top-down con-
trol is the key factor in such lakes. Leibold (1989)
and Sarnelle (1992) have already suggested that fish
play a key role for herbivory in eutrophic lakes.

In 1983–85, when the phytoplankton biomass
reached extremely high values (maximum chloro-

phyll a, 1400–1500 µg L21), the phytoplankton
community was completely dominated by small
algae (Scenedesmus spp. and Chlorella sp.). Small
green algae have been reported to dominate in
many other hypertrophic, freshwater lakes with
dense phytoplankton communities (Nygaard 1949;
Pavoni 1963; Leah and others 1980; Jensen and
others 1994b). These results are not in agreement
with the hypothesis of Agustı́ and Kalff (1989),
Duartes and colleagues (1990), and Agustı́ (1991)
that predicts that the average size of phytoplankton
generally increases with increasing phytoplankton
biomass. There may be several advantages of being
small in dense, shallow lake communities. First,
small algae have a higher chlorophyll content per
unit of volume (Reynolds 1984; Enriquez and oth-
ers 1996), maximizing light exploitation in a light-
limited system. Second, the small size facilitates
nutrient uptake (Hein and others 1995), which may
be important in an environment characterized by
pulse loading of nutrients as normally occurs in
shallow lakes due to, for instance, wind-induced
resuspension and diel changes in water tempera-
ture. The data from Lake Søbygård suggest that a
shift to larger algae occurs only when larger
zooplankton dominate (Figure 5). Low grazing pres-
sure mediated by high fish predation may thus
contribute to the frequently observed dominance by
small algae in hypertrophic freshwater lakes, al-
though exceptions can be found from less eutro-
phic, cyanobacteria-dominated lakes [for example,
see Barica (1975) and Gulati and others (1992)].

Phytoplankton and Nutrients
According to most studies, the environmental condi-
tions found in Lake Søbygård [high pH, low N–P
ratios, low euphotic–mixing zone ratios (low Secchi
depth) (Figure 2), and periodically low inorganic N
concentrations (see below)] should favor cyanobac-
teria (Schindler 1977; Smith 1983; Shapiro 1990;
Van Liere and Gulati 1992; Scheffer and others
1997). In addition, Sterner and colleagues (1992)
and Hessen (1997) argued that cyanobacteria are
favored in lakes with low Daphnia–copepod ratio,
because the TN–TP ratio of matter excreted by
copepods is lower than for Daphnia. Except in 1978,
the phytoplankton community was, however, domi-
nated by green algae and diatoms, even in years
with a low biomass ratio of cladocerans–copepods.
This pattern can be observed in many temperate
shallow hypertrophic lakes (Jeppesen and others
1990a; Jensen and others 1994b). In previous re-
ports, we have argued that high external loading of
nutrients along with a high internal loading of CO2

and nutrients from the sediment may explain the

262 E. Jeppesen and others



dominance of green algae in these lakes (Jeppesen
and others 1990b; Jensen and others 1994b).

The slight reduction in lake TN and TP during the
study may have influenced phytoplankton succes-
sion. The reduction in TP concentrations and or-
ganic matter loading after the implementation of
biological waste water treatment (Holm and Tuxen-
Pedersen 1974) may have caused the shift in the
early 1980s from Chlorella sp. to Scenedesmus spp.
Both genera are favored in nutrient-rich and often
highly organically loaded ponds and lakes (Jeppe-
sen and others 1990b; Jensen and others 1994b),
but Chlorella sp. seems more tolerant of high ammo-
nia concentrations and is better adapted to utilize
organic substances for growth (Niewolak 1971). The
shift to dominance by Scenedesmus spp. occurred
concomitantly with a major decrease in the density
of Bosmina and this could potentially indicate an
interdependent relationship. However, Chlorella sp.
densities did not increase after the return of Bosmina
dominance in 1990–91, suggesting that changes in
nutrients and organic loading are more likely to be
the decisive factor for the decreased abundance of
Chlorella sp. Likewise, the gradual increase in impor-
tance of diatoms may reflect a reduction in nutrient
concentrations. The duration of the period with low
inorganic N concentrations (below, for instance, 50
µg L21 during summer) increased from an average
of 8 days in 1984–87 to 38 days in 1989–95
(unpublished results), and average TN–TP ratio
decreased from 3–7 before 1987 to 2–5 after (Figure
2). This may have improved the competitive capac-
ity of diatoms. Enrichment experiments with natu-
ral phytoplankton from the hypertrophic Grosser
Binnensee (Sommer 1989) revealed that the Monod
saturation coefficient for inorganic N was 6–10
times higher for Scenedesmus than for Stephanodiscus,
which is the most abundant diatom genus in Lake
Søbygård. Accordingly, the phytoplankton species
composition in Lake Søbygård seems influenced by
the reduction in nutrient loading and nutrient
concentration. Superimposed upon that, however,
substantial fluctuations occurred, reflecting changes
propagated from fish via zooplankton.

Modest Cascading Effects on the Microbial
Community
The cascading effects of fish-stock changes seemed
less significant on the abundance of ciliates and
bacterioplankton than on zooplankton and phyto-
plankton, supporting several observations that cas-
cading effects diminish downward through the food
web (McQueen and others 1986; Pace 1993). The
response in 1990–91, when B. longirostris and ro-
tifers dominated the zooplankton community, was

significantly different from the other years. Bacterio-
plankton biomass and especially production were
high, average bacteria volume was low, and ciliate
mean size was high, particularly in 1990–91 (Figure
7). A multiple-regression analysis on summer data
from 1985 to 1992 showed that bacterioplankton
abundance and production were positively related
to the biomass of rotifers, B. longirostris, and cyclo-
poid copepods and negatively related to the biomass
of D. longispina (Jeppesen and others 1997a). The
apparent positive effect of the small cladocerans,
rotifers, and cyclopoid copepods may be explained
by increased organic substrate for bacteria through
excretion in combination with predation on poten-
tial bactivores, flagellates, and ciliates. As for Daph-
nia, predation seems to overrule the potential posi-
tive effects on bacterioplankton, as demonstrated in
other studies of eutrophic lakes (Riemann 1985;
Christoffersen and others 1993; Jürgens 1994;
Christoffersen and Bosselmann 1997). Annual bac-
terioplankton production amounted to only 2%–6%
of phytoplankton production, the highest percent-
ages being obtained in 1990 and 1991 when B.
longirostris and rotifers dominated (Jeppesen and
others 1997a). The low values compared with Cole
and colleagues’ (1988) mean of 17% for a number
of aquatic systems may be attributed to high loss by
sedimentation due to the shallowness of the lake
(low mean depth) and to dominance of phytoplank-
ton with high specific settling rates (Kristensen and
Jensen 1987) and low grazing rates in some years
(Jeppesen and others 1997a). Our results support
the conclusion by Cole and colleagues (1988) that
the bacterioplankton–phytoplankton production ra-
tio declines from oligotrophic to eutrophic lakes.

The multiple regression analysis also showed a
significant negative effect of pH on bacterioplankton
production, when pH was higher than 10.2. This
effect was supported by laboratory experiments
(Jeppesen and others 1997a) and implies that recy-
cling of dissolved organic matter back to the food
web via bacteria is reduced at high pH. Pace and
Cole (1996) found a similar negative effect of pH on
bacterioplankton production at low pH.

In conclusion, the results from the long-term
study of Lake Søbygård suggest that shallow hyper-
trophic lakes with short retention times may be
highly resistant to external P-loading reduction. In
addition, sewage-loading reduction may create sub-
stantial perturbations at the top of the food web that
may have major cascading effects on zooplankton
and phytoplankton community structure, biomass,
size, and production, with more minor effects on
the pelagial microbial community. Changes in oxy-
gen concentration and pH mediated by changes in
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external loading of organic matter and internal
biological processes seemed to be the most impor-
tant factors determining the perturbations. The
results obtained are in accord with the trophic
cascade hypothesis (Carpenter and others 1985),
but can not confirm (a) that dense phytoplankton
communities are dominated by large phytoplankton
(Agustı́ and Kalff 1989), (b) that herbivory declines
from mesotrophic to hypertrophic lakes because of
an increase in biomass of large cyanobacteria (Car-
ney and Elser 1990), or (c) that cyanobacteria are
favored at low N–P ratios and high pH (Smith 1983;
Shapiro 1990). In contrast, small green algae domi-
nated when zooplankton-grazing pressure was low
and phytoplankton biomass extremely high, large
green algae dominated at higher grazing pressure,
and herbivory seemed mainly influenced by the
abundance of planktivorous fish.
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Gächter R, Meyer JS, Mares A. 1988. Contribution of bacteria to
release and fixation of phosphorus in lake sediments. Limnol
Oceanogr 33:1542–58.

Gulati RD, Lammens EHHR, Meijer M-L, van Donk E. 1990.
Biomanipulation, tool for water management. Hydrobiologia
200–201:1–628.

Gulati RD, Ooms-Willems AL, Tongeren OFR, Postma G, Siwert-
sen K. 1992. The dynamics and role of limnetic zooplankton in
Loosdrecht lakes (The Netherlands). Hydrobiologia 233:69–86.

Gulati RD, Siewertsen K, Postema G. 1982. The zooplankton: its
community structure, food and feeding, and the role in the
ecosystem of Lake Vechten. Hydrobiologia 95:127–63.

Hansen A-M, Christensen JV, Sortkjær O. 1991. Effect of high pH
on zooplankton and nutrients in fish-free enclosures. Arch
Hydrobiol 123:143–64.

Hansen A-M, Jeppesen E. 1992. Life cycle of Cyclops vicinus in
relation to food availability, predation, diapause and tempera-
ture. J Plankton Res 14:591–605.

He X, Wright R. 1992. An experimental study of piscivore–
planktivore interactions: population and community re-
sponses to predation. Can J Fish Aquat Sci 49:1176–83.

Hein M, Pedersen MF, Sand-Jensen K. 1995. Size-dependent
nitrogen uptake in micro- and macroalgae. Mar Ecol Prog Ser
118:247–53.

Hessen DO. 1997. Stochiometry in food webs: Lotka revisited.
Oikos 79:195–200.

Hobbie R, Daly J, Jasper S. 1977. Use of nuclepore filters for
counting bacteria by fluorescence microscopy. Appl Environ
Microbiol 33:1225–8.

Holm TF, Tuxen-Pedersen F. 1975. River Gudenåen 1974 [in
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