
Abstract An overview of Toxicity Identification and Eval-
uation (TIE) procedures, used for the effect-based analysis
of endocrine disrupting compounds (EDCs) in environ-
mental samples, is presented. Future trends in advanced
chemical analysis of EDCs and some emerging contami-
nants are outlined. The review also gives an overview of
concentration levels found in environmental samples and
discusses the correlation of calculated estrogenicity (based
on chemical analysis of target EDCs) with that measured
by various bioassays.
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Introduction

Chemical analysis of endocrine disrupting compounds (EDC)
is generally insufficient to assess contaminants present in
the environment and to estimate their endocrine potential.
Beside recognized EDCs, numerous new chemicals are
synthesized each year and released into the environment
with unforeseen consequences, and evidence for their en-
docrine potential is constantly emerging. However, chem-
ical identification of all compounds, responsible for the
observed endocrine disrupting effect is an impossible
task. Therefore, the assesment of endocrine disrupting ac-
tivity in complex environmental mixtures requires appli-
cation of integrative procedures combining chemical analy-
sis and specific bioassays. This approach, focused on health
and environmentally relevant compounds, is based on the
Toxicity Identification and Evaluation (TIE) procedure
that was developed by the US-EPA at the beginning of the
1990s and was originally aimed at investigating waste-
water [1, 2]. However, during the last decade the TIE ap-

proach has become an established and powerful tool for
determining the causes of the effects (such as acute toxic-
ity, (geno)toxicity, endocrine disrupting potential) in aque-
ous and solid environmental samples.

This paper surveys the current state of new monitoring
strategies involving the application of integrated chemi-
cal-biological procedures for the determination of EDC,
including fractionation procedures and potency balance
calculations. Current trends and future perspectives in
chemical analysis for several groups of EDCs that are of
priority within European Union and US research activi-
ties: steroid sex hormones, alkylphenols, polybrominated
diphenyl ethers (PBDEs), and phthalates, are outlined.

Additionally, several selected classes of so-called “new”
or “emerging contaminants”, such as surfactants, human
and veterinary drugs, fragrances and antiseptics are in-
cluded in this review. Emerging contaminants are unregu-
lated contaminants, which may be candidates for future
regulation depending on research on their potential health
effects and monitoring data regarding their occurrence.
This group is mainly composed of products used in every-
day life and for most of them ecotoxicological data are not
yet available, and therefore it is difficult to predict what
health effects they may have on humans and aquatic or-
ganisms. However, recent studies showed that some emerg-
ing contaminants are weak endocrine disruptors. For ex-
ample, by means of the E-screen assay, a number of musk
fragrances such as p-amino musk xylene were shown in
vitro to possess estrogenic activity [3], while changes in
fin length of Japanese medaka fry (Oryzias latipes) and
non-significant trends in sex ratio suggest that triclosan,
an antibacterial agent commonly used in households and
industry, is potentially weakly androgenic [4]. Finally, lev-
els of selected EDCs and emerging contaminants found in
environmental samples are reviewed.

TIE procedures for EDCs

The general scheme of TIE for the effect-based analysis
of environmental samples is shown in Fig. 1. This strategy
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enables determination of the causative agents, and the re-
sults obtained by applying bioassays in the first stage are
used to direct attention to detailed chemical analysis of
fractions until the correlation is achieved. The whole pro-
cess can be repeated, applying an additional fractionation
procedure until the chemical complexity of the fractions is
reduced sufficiently. Thus non-target chemical analysis
enables detection or identification of unknown com-
pounds responsible for the observed effect.

Different TIE procedures that have been developed for
the assessment of endocrine disrupting potential of envi-
ronmental samples, integrating chemical analysis of target
EDCs and a variety of biological screening assays, are
summarized in Table 1.

Fractionation schemes

TIE procedures usually involve the stepwise fractionation
and simplification of a sample in order to isolate com-
pounds responsible for the observed effects. Fractionation
is usually directed by a bioassay and is performed either
using sequential SPE or (semi)preparative HPLC. Several
authors reported the use of multiple-step SPE procedures
in order to achieve a versatile and broad extraction, since
a single extraction under neutral or acidic conditions is
limited to hydrophobic or only weakly polar compounds.
Prior to toxicity determination, Reemtsma et al [5] ap-
plied the four step SPE procedure, using a combination of
C18 and polymeric cartridges and different pH conditions
for separating the extract into hydrophobic neutral, polar
neutral, acidic and strongly acidic fractions. A similar ap-
proach was used by Castillo et al [6, 7] for the determina-
tion of more polar toxic wastewater constituents.

Another approach employed sequential elution of com-
pounds bound to the C18 cartridge using a gradient of po-
larity: water-methanol mixture from 0% to 100% metha-
nol, followed with final elution with hexane [8] or metha-
nol/water followed by solvents of low polarity to non-po-
lar solvents (diethylether, 50/50 diethylether/hexane and
finally hexane) [9].

However, the most often applied fractionation scheme
involves the reversed phase (RP) HPLC fractionation,
used directly to fractionate bulk extracts or for fine frac-
tionation of SPE fractions. Linear gradients of methanol
and water [9, 10, 11, 12] or acetonitrile and water [13], re-
spectively were preferably used to split the components in
relation to their Kow range.

In vitro bioassays

A variety of in vitro biological assays have been devel-
oped for the screening of EDCs in environmental samples.
They are designed to facilitate sensitive, rapid and rela-
tively inexpensive prediction of endocrine disrupting po-
tential of complex mixtures, and their development has
clearly sped up the process in identifying potential estro-
genic and anti-estrogenic compounds in the environment.
The most widely used bioassays are: receptor binding as-
says that measure binding to estrogen, androgen or pro-
gesterone receptors; cell proliferation assays, usually using
estrogen-dependent human breast cancer cell lines such as
MCF-7 (E-screen) or T47D; and reporter gene assays
measuring the ability of a substance to activate transcrip-
tion of a hormone (for instance estrogen)-sensitive pro-
moter in, usually, mammalian or yeast cells. These in vitro
assays enable assessment of total biological activity of a
sample integrating possible interactions among chemicals
that act through the same mode of action and therefore of-
fer the possibility of providing an early screen prior to tar-
geted chemical analysis. Several review papers give sum-
mary of in vitro assays used for the assessment of the es-
trogenic potential of natural and synthetic estrogens and
xenoestrogens, including details on mechanisms, perfor-
mances, applications, advantages and limitations [14, 15,
16, 17]. In most cases these in vitro assays were used to
assess the estrogenic/antiestrogenic potential of pure com-
pounds and less often for the analysis of real environmen-
tal samples. TIE procedures applying bioassays such as
Yeast based recombinant estrogen receptor-reporter assay
(YES), MCF-7 cell proliferation (E-screen), and Estrogen
receptor-mediated chemical activated luciferase gene ex-
pression assay (ER-CALUX), respectively were success-
fully used to characterize estrogenic activity of surface
waters, sediments, suspended particles, wastewaters and
biological samples (see Table 1). One of the issues to be
raised when combining bioassays and chemical analysis is
the importance of specific sample preparation needed for
bioassay due to different requirements of two methods in
terms of compatibility of solvents. Therefore, it is neces-
sary to develop and optimize clean-up procedures that
permit us to achieve a versatile and broad extraction with
high and reproducible recoveries of analytes.
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Fig. 1 Toxicity Identification Evaluation (TIE) scheme used for
the effect-based analysis of environmental samples



Currently, the main limitation is the lack of testing
guidelines, and recent activities have been oriented to-
ward defining strategies for short-term and long-term test-
ing of EDCs and validating of existing tests. Most of in
vitro bioassays used nowadays are not validated and their
comparability is rarely investigated. A comparison study
showed that the relative estrogenic potency of complex
environmental mixtures determined with different assays
having a different end point might vary greatly [15], not
predicting reliably the outcome of in vivo testing due to
differences in metabolic capabilities of the test systems.
Therefore, a battery of tests, including both in vitro and in
vivo assays that assess both receptor and non-receptor
mediated mechanisms of action, seems the most appropri-
ate way to assess the potential of EDCs in complex envi-
ronmental samples [17].

Quantification of estrogenic activity – 
relative potency calculations

There is an ongoing debate on predictivity and compara-
bility of different bioassays used in the assessment of
EDCs. Contrary to in vivo tests, in vitro assays provide in-
sights on mechanisms of action of a specific substance,
but their capacity to mimic whole animal uptake, distribu-
tion and availability of contaminants in organisms is re-
stricted. Additionally, because of the different end points
used in different assays and the diverse range of mecha-
nisms by which EDCs may act, the comparison of in vitro
assays and correlation of the results obtained is not always
good. Analog to the calculation of toxicity equivalents
(TEQ-values) for dioxins and dioxin-like compounds, the
estrogenic potential of individual EDCs may be expressed
relative to 17β-estradiol (estradiol equivalent factors - EEF),
and that of complex mixtures can be calculated in estra-
diol equivalents (EEQ).
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Table 1   Survey of TIE procedures for testing EDCs in environmental samples

Sample Extraction method Fractionation Chemical
analysis

Target compounds Bioassay Reference

STP effluent SPE C18 1. SPE
    sequential
    elution

GC-MS 17b-estradiol Yeast estrogen screen
(YES)

[9]

2. RP HPLC 17a-ethylestradiol
3. RP HPLC
    (shallow
    gradient)

estrone

Estuary water,
sediment

C8-polystyrene based
polymer-nonporous
carbon

RP HPLC GC-MS 17b-estradiol, DEHP,
Nonylphenol,
androsterone

Yeast estrogen screen
(YES)

[10]

River water,
STP effluents

SPE C18 – LC-MS Nonylphenol, NPEOs,
steroids (estrogens,
progestogens)

Yeast estrogen screen
(YES)

[66]

STP influent
and effluent

Not given – GC-MS-MS Steroids Yeast estrogen screen
(YES)

[69]

River water
and sediment

SPE C18 SPE
sequential
elution

GC-MS Alkylphenols Recombinant receptor-
reporter gene assay
(MELN)

[8]

STP influent
and effluent

SPE polystyrene
copolymer resin
and C18

– GC-MS Alkylphenols,
Bisphenol A

MCF-7 cell
proliferation (E-screen)

[67]

GC-ECD OC pesticides
GC-MS PCDDs/DFs, PCBs,

PAHs
HPLC-FL Alkylphenols
GC-MS Phthalates,

Nonylphenol

River
sediment

Soxhlet Florisil –
sequential
elution

LC-MS NPEO

MCF-7 cell
proliferation (E-screen)

[68]

Sediment,
suspended
particles, biota

Soxhlet – GC-MS Alkylphenols,
APEOs, phthalates

Estrogen receptor-
mediated chemical
activated luciferase
gene expression
(ER-CALUX)

[65, 70]



Table 2 summarizes relative potencies of selected EDCs
determined using different in vitro assays. EEF were cal-
culated from the EC50 values determined from the dose re-
sponse curves, which for some xenoestrogens are biphasic
with a decrease in response at greater dose due to citotox-
icity. Generally, data show major discrepancies between
the relative estrogenic potencies of the compounds tested,
requiring a careful interpretation of the results when such
bioassays are used to estimate the estrogenic potential of
complex mixtures. Partly, the differences are due to the
specificity of the assays and different experimental condi-
tions, which means that EEF should be determined exper-
imentally for each bioassay and specific conditions. Pos-
sible false-negative and false-positive results, as discussed
by Hoogenboom et al [14] may be reduced by the use of
specific assay conditions and the application of more se-
lective clean-up procedures, whereas competitive antie-
strogenic effects and possible citotoxicity of mixtures
should be evaluated in bioassays with the same cells that
were used in receptor mediated measurements [16].

Chemical analysis of endocrine disruptors 
and emerging contaminants

Target analysis

A number of analytical methodologies have been reported
for the analysis of specific classes of EDC and other
emerging contaminants in aqueous and solid environmen-
tal samples, and several comprehensive reviews were re-
cently published on this issue (Table 3). Thus, this review

does not include a detailed discussion on the methodology
for a specific group of compounds and only outlines the
major tendencies in advanced instrumental analysis of trace
EDCs.

Due to the chemical diversity of endocrine disrupting
compounds the range of instrumental techniques applica-
ble to their analysis is also very wide. Within modern an-
alytical techniques applicable to trace analysis of en-
docrine disrupting compounds, GC and LC combined with
MS and tandem MS, respectively, play a pivotal role pro-
viding sufficient selectivity and inherent sensitivity in the
analysis of complex environmental matrices. Most of the
analytical procedures developed for environmental deter-
mination of EDCs and emerging contaminants have been
designed for analysis of single particular classes of com-
pounds, and the key issue is to develop multi-residue
methods in which different compound classes can be de-
termined in a single analysis.

Additionally, because of the generally very low envi-
ronmental levels of EDCs and emerging contaminants and
the complexity of some matrices, very efficient extrac-
tion/purification methods, in addition to selective and sen-
sitive analytical techniques, are required. In this respect, it
is worth noting the application of (i) immunosorbents for
the purification of extracts prior to the analysis, (ii) dual
column switching LC-MS for the integrated purification
and analysis, and (iii) a fully automated methodology for
the on-line SPE and analysis [18].

Regarding the instrumental analysis, driven by the es-
trogenic potency of some compounds (for example steroid
sex hormones) and low environmental concentrations, the
detection limits required for the monitoring of endocrine
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Table 2 Relative estrogenic
potency as determined by dif-
ferent bioassays (expressed 
as EEF – the molar based 
17β-estradiol equivalency
factor)

Compounds YES [65, 71, 72, 73] MCF7 assay ER-CALUX 
(E-screen) [65]
[15, 65, 67, 71, 74]

Steroid sex hormones
17β-estradiol 1 1 1
Estriol 3.7×10-1

Ethinylestradiol 1.9×10-1–1.2 1.25–1.9 1.2
Diethylstilbestrol 4.5×10-2–1.1 2.5
Estrone 1.9×10-2–1.0×10-1 1.0×10-2 5.6×10-2

Alkylphenolic compounds
Nonylphenol 7.2×10-7–4.1×10-4 1.3×10-5–1.0×10-4 2.3×10-5

Octylphenol 1.0×10-5–4.9×10-4 1.0×10-4–2.5×10-4 1.4×10-6

Nonylphenol monoethoxylate 4.0×10-6–1.3×10-5 3.8×10-6

Bisphenolic compounds
Bisphenol A 1.0×10-5–8.1×10-5 2.5×10-5–6.0×10-5 7.8×10-6

Phthalates
Di(ethylhexyl)phthalate 2.5×10-5

Dibutylphthalate 1.0×10-7–1.0×10-5 1.8×10-8

Benzylbutylphthalate 1.0×1-6–8.9×10-6 1.4×10-6

Dimethylphthalate 1.0×10-6–7.0×10-6 1.1×10-5

Diethylphthalate 5.0×10-7–4.7×10-6 3.2×10-8

Fragrances
Musk xylol 3.3×10-5

Musk ketone 7.0×10-5



disruptors are being pushed from the µg/L to ng/L range
and even to below the ng/L range. For example, the sensi-
tivity of the techniques for the determination of steroid
hormones in complex environmental matrices improved
in the order LC-MS (LODabsolute 200 pg/µl)< GC-MS-MS
(LOQabsolute 20 pg/µl)< LC-MS-MS (LOQabsolute 5 pg/µl)
[19]. For alkylphenolic compounds LODs achieved are in
the low ng/L range [20] (for the preconcentration of 500 ml
of water samples).

The overall trend in chromatographic analysis of envi-
ronmental samples involves employment of fast-LC and
fast-GC methods using short, narrow bore columns, high
mobile phase flow-rates and ultra-high pressures. Short-
ening the analytical run times is an important step towards
high sample throughput often required in laboratories
conducting monitoring studies. Run times of several tens
of minutes are not tolerable for truly high-throughput
analyses and emphasis is directed towards achievement of
maximum chromatographic resolution in a drastically re-
duced time.

The use of advanced separation systems and narrow-
bore columns that produce extremely narrow chromato-
graphic peaks must be accompanied by compatible instru-
mentation for trace level analysis. Technologies that have
significantly advanced in the last recent years include tan-
dem (MS-MS) systems, time-of-flight MS (ToF-MS), and
quadrupole-time-of-flight (Q-ToF-MS). The added power

of MS-MS, applying a variety of scan functions and
modes (in other words product ion scan, precursor ion scan,
neutral loss, multiple reaction monitoring-MRM), im-
proved analytical performances (reliability and sensitiv-
ity) and allowed a gradual shift from the detection of par-
ent compounds to the analysis of metabolites and trans-
formation products. LC-MS-MS analysis of steroid sex
hormones, as reported by Lagana et al [21], is about two
hours faster, less affected by error, and significantly more
sensitive than a conventional GC-MS method. However,
an advantage of GC-MS, compared with LC-MS, is the
availability of extensive libraries of mass spectra useful
for identification of unknown peaks in estrogenically ac-
tive fractions.

Identification of unknown compounds

Comprehensive screening protocols, such as GC-MS or
LC-MS of fractionated samples or two dimensional GC
(GC×GC), are able to identify several hundreds of indi-
vidual components in complex environmental samples,
and combined with the potential of tandem MS technique
might be used to identify unknown compounds. However,
such general screening for unknown compounds is time
consuming and expensive, and is often related to prob-
lems such as lack of authentic standards and of MS spec-
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Table 3 Reviews of analytical
methodology for the analysis
of selected classes of EDC and
other emerging contaminants
in environmental samples

Compound classes Remark Reference

Emerging
contaminants

Review of mass spectrometric methods for analysis of
emerging contaminants (including several classes of EDCs)

[75]

Alkylphenolic
compounds

LC-MS and GC-MS methods for the analysis of aqueous
and solid environmental samples

[76]

Review of sample preparation techniques (sediment,
sludge biota)

[77]

Pharmaceuticals Analytical methods for the determination of pharmaceuticals
in aqueous environmental samples

[78]

Analysis and sample preparation of soil, sediment
and sludge samples

[79]

Steroid sex hormones LC-MS and GC-MS methods for the analysis of aqueous
and solid environmental samples

[76]

Analysis of hormones in wastewater samples [80]

Solid-phase extraction for sample preparation in the
determination of estrogens and progestogens in sediment
and water

[81]

Plasticizers
(Phthalates, BPA)

LC-MS and GC-MS methods for the analysis of aqueous
and solid environmental samples

[76]

Musks Analysis of polycyclic musk [52]
Analysis of musk xylene and musk ketone amino metabolites [53]

Brominated flame
retardants

Review of chromatographic techniques for the determination
of halogenated contaminants and polycyclic aromatic
hydrocarbons

[82]

Determination of brominated flame retardants in
environmental samples

[83]

Method for the analysis of polybrominated diphenylethers
in sediments and biota

[84]



tra libraries. Moreover, all compounds detected or identi-
fied represent only a small part (usually only several %) of
the dissolved organic carbon (DOC) content.

Although the sensitivity, selectivity and efficiency of
the MRM approach are all excellent, qualitative informa-
tion needed to support the structural elucidation of com-
pounds other than the target analytes is lost. In full scan
mode, this information can be obtained; however, the lack
of compound databases and mass spectra libraries often
represent an obstacle for efficient structural elucidation of
unknown compounds.

Coupling of API technology and ToF-MS combines high
accuracy and excellent sensitivity due to the high-fre-
quency sampling of all ions simultaneously recorded across
a full mass range. An orthogonal-acceleration time-of-
flight MS instrument (oaToF-MS) coupled to LC proved
to be a powerful tool for identification of micro-con-
stituents in complex mixtures and/or confirmation of their
presence. Such an instrument provides mass determina-
tions with an accuracy of 5–10 ppm, which is an impres-
sive improvement over the conventional nominal-mass in-
formation of a quadrupole instrument. Hogenboom et al
[22, 23] demonstrated the capability of oaTOF MS for
multiresidue screening in water analysis where accurate
mass determinations were used for confirmation and iden-
tification of organic micro-contaminants in surface water.

Another variation of tandem hybrid instruments that
has gained popularity in the last few years is a combina-
tion of a quadrupole instrument and an orthogonal accel-
eration ToF-MS (Q-ToF). Such an instrument enables ac-
curate mass measurement with accuracies of <5 ppm,
which allows removal of interpretation ambiguities and easy
differentiation of charge states even in weak collisionally-
activated decomposition tandem mass spectra [24]. Al-
though environmental applications are still scarce, Q-ToF
mass spectrometers are often used in bioanalysis for the
identification of small molecules (<1000 Da) due to the
advantages of the ion separation and detection principle.
The possibilities of a Q-ToF-MS in a LC-MS/MS screen-
ing and identification of organic micro-pollutants in sur-
face and sea water [25, 26] are being explored and further
development and more environmental applications are ex-
pected. A recent book [27] on LC-MS-MS and ToF-MS
analysis of emerging contaminants focuses on wide range
of compounds from pesticides, pharmaceuticals, surfac-
tants, plasticizers, steroids and hormones, to disinfection
by-products, and brings together many applications of
these two techniques in the field of environmental analy-
sis.

Environmental data

Concentration levels

Numerous field studies, designed to provide basic scien-
tific information related to the occurrence and potential
transport of contaminants in the environment, are being
continuously conducted with the aim of identifying which

contaminants enter the environment, at what concentra-
tions, and in which combinations. A large body of litera-
ture exists on occurrence of specific groups of organic
contaminants in the environment. However, for a long
time research priorities have been focused on priority pol-
lutants, such as POPs, pesticides, toxic metals, radionu-
clides, and only recently has the attention of the scientific
community started to shift to endocrine disruptors and
other emerging contaminants.

Alkylphenol etoxylates and their metabolites

The globally increased interest toward endocrine disrup-
tors resulted in various research and monitoring programs
conducted by official environmental organizations and
scientific groups, with the objective to assess the occur-
rence, distribution and impact of alkylphenol ethoxylates
(APEOs) and their metabolites in natural systems. Table 4
summarizes the concentrations reported in the last 10 years
[28]. Generally, the highest concentrations of alkylpheno-
lic compounds were found in industrial areas, so the ele-
vated concentrations are likely to be attributed to dis-
charge of industrial wastewaters. However, alkylphenolic
compounds were also detected in areas without significant
industrial activity, but with an intensive agricultural prac-
tice, where one of the possible sources of alkylpenolic
compounds is the use of sewage sludge as fertilizer [29].
Concentrations of nonylphenol (NP) in surface waters re-
ceiving STP effluents ranged from low ng/L up to several
tens of µg/L, showing a clear increase in concentrations at
sites downstream of STP. Levels detected in some rivers
exceed, or are close to the NOEC (no-observed effect con-
centration) for the induction of vitellogenesis in caged
trout (5–20 µg/L) and suggest that long-term exposure
may exert an estrogenic effect on fish populations [30].

Nonylphenol and short chain nonylphenol ethoxylates
(NPEOs) are lipophilic compounds with a log Kow of 4.48
(NP) and around 4.2 (NPE1O, NPE2O and NPE3O) [31] so
they partition preferentially to the organic fraction of sed-
iments and show considerable potential to bioaccumulate
in aquatic organisms. Therefore, in the majority of sedi-
ments and biological samples analyzed NP was a predom-
inant alkylphenolic compound. In rivers and lakes, con-
centrations found span two to three orders of magnitude,
mainly depending on the vicinity of local industrial and
urban sources. In river sediments levels of alkylphenolic
compounds found upstream of point sources of pollution
were generally lower than 200 ng/g. Significantly higher
concentrations (up to hundred µg/g) were observed at lo-
cations situated near STPs, or downstream of discharges
of industrial wastewaters.

As a result of restrictions on industrial cleaning appli-
cations of APEOs the general trend of decline in APEO
concentrations was observed, especially in the Scandinavian
countries, Denmark, Netherlands, Switzerland, Germany
and UK. For example, the down core sediment profiles of
NP concentrations in Swiss rivers and lakes indicate that
this toxic and estrogenic surfactant metabolite occurred at
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much higher concentrations in the early 1980s (maximum
concentration 1.4 mg/kg) than at present (<0.1 mg/kg) [32].

Hormones and contraceptives

There is little information in the literature on the fate and
persistence of synthetic ovulation-inhibiting hormones in
the aquatic environment. Natural and synthetic estrogens
and progestogens entering wastewater treatment plants

from urban and industrial discharges are subject to a vari-
ety of treatment processes of varying efficiency and in some
cases they are finally released into surface waters [33, 34,
35, 36].

Moreover, it is been reported that the less active conju-
gated forms (glucuronides, sulfates), in which estrogens
are excreted, can be deconjugated during wastewater
treatment and in the environment to generate the more po-
tent parent compound [9, 37, 38]. In the very few studies
that have attempted the determination of conjugated estro-
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Table 4   Reported concentrations of alkylphenol ethoxylates and their metabolites in environmental and wastewater samples

Matrix/location Compound Concentration (water)
mg/L

Concentration (sediment/
soil/sludge) mg/kg

Reference

Freshwater aquatic systems
Spain (Catalonia), water and
sediment

NPEO, NPEC, NP <0.1–31 (NPEO),
<0.1–15 (NP),
<0.1–35 (NPEC)

0.010–0.820 (NPEC),
0.022–0.645 (NP)

[29]

Germany (Baden-Württenberg) NP, OP <0.01–0.49 (NP),
<0.01–0.19 (OP)

<0.05–0.26 (NP) [85]

USA and Canada (Great Lakes) NP, OP <0.01–0.92 (NP),
<0.005–0.084 (OP),
<0.02–7.8 (NPE1O),
<0.02–10 (NPE2O)

0.17–72 (NP),
<0.01–1.08 (OP),
<0.015–38 (NPE1O),
<0.015–6.0 (NPE1O)

[86, 87]

USA streams (30 rivers) NP, NPEO <0.11–0.64 (NP),
<0.06–0.60 (NPE1O),
<0.07–1.2 (NPE2O),
<1.6–14.9 (NPE3–17O)

<0.003–2.96 (NP),
<0.003–0.17 (NPE1O)

[88]

Japan NPEO, NP, OP 0.04–0.42 (NPE1O),
0.04–0.52 (NPE2O),
<0.02–0.3 (NP),
<0.02–0.09 (OP)

– [89]

Soil
Sludge-amended soil NPEO, NP – 0.11–1.1 (NPE1O),

0.095–0.012 (NPE2O)
[90, 91]

Sludge-amended soil NPEO, NP, OP – 0.07–1.21 (NPE1O),
0.08–0.39 (NPE2O),
2.35–4.61 (NP),
0.05–0.18 (OP)

[92]

Marine and estuarine environment
Spanish coastal area NPEO, NPEC, NP <0.2–11 (NPEO),

<0.1 (NPEC),
<0.15–4.1 (NP)

0.01–0.62 (NPEO),
<0.01–1.05 (NP)

[93]

Venice lagoon (Italy) –
Estuarine water

NPEO, NPEC 1.1–38.5 (NPEO),
0.6–102 (NPEC)

–

Krka estuary (Croatia) NPEO, NP <0.02–0.44 (NP1EO),
<0.02–1.3 (NP2EO),
0.1–0.7 (NP3–18EO),
<0.02–1.2 (NP)

– [94, 95]

English estuaries NPEO, NP, OP <0.6–76 (NP1+2EO),
<0.08–5.8 (NP),
<0.1–13 (OP)

0.16–3.97 (NP1EO),
0.03–9.05 (NP),
0.002–0.34 (OP)

[96, 97, 98]

Netherlands (Scheldt Estuary) NPEO, NP, NPEC 0.04–2.7 (NPEO),
0.04–2.0 (NP),
0.09–12 (NPEC)

0.04–0.25 (NPEO) [99]

USA (Jamaica Bay) NPEO, NP, OPEO, OP,
halogenated NP

0.16–0.94 (NP1–3EO),
0.077–0.42 (NP)

0.05–30 (NPEO),
<0.001–0.027 (BrNP)

[100, 101]

Israel coast (sea water) NPEO <1.0–25 – [102]

Abbreviations: NPEO – nonylphenol ethoxylates, NP – nonylphenol, NPE – nonylphenol carboxylates, OPEO – octylphenol
ethoxylates, OP – octylphenol, BrNP – brominated nonylphenol



gens in STP effluents and surface waters, concentrations
below the limit of determination have been most often
found [38, 39].

The presence of both natural and synthetic estrogens and
progestogens in the various types of water has, in most in-
stances, been reported to occur at the low ng/L range up to
the tens of ng/L range (see Table 5), and only on a few oc-
casions have concentrations been higher, reaching µg/L
levels [33, 40].

Of the various estrogens most frequently monitored in
environment programs, the natural hormone estradiol and
the synthetic estrogen ethynyl estradiol are the most rele-
vant because of their high estrogenic potency. However,
these two compounds are often the least frequently de-
tected in environmental waters, and estriol and estrone,
the main metabolites of estradiol, the most ubiquitous [29,
38]

Downstream of STPs, the steroid concentrations in the
river are normally considerably lower than those of the

corresponding effluent, decreasing with distance from the
STP and, very often, the compounds present in the efflu-
ent are not further detected in the river [39, 41].

On the other hand, given the relatively low polarity of
these compounds, which present octanol-water partition co-
efficients mostly between 103 and 106 [42], sorption to bed-
sediments appears as a quite likely process. Under the an-
aerobic, dark conditions normally present in the sub-sur-
face layers of river sediments, these compounds are ex-
pected to undergo low photodecomposition and biodegra-
dation. River sediments can therefore act as sinks where
estrogens and progestogens may persist for long periods
of time, be transported to other areas, and be eventually
released back to the water column [43].

According to Jurgens et al [44], between 13% and 92%
of the estrogens entering a river system would end up in
the bed-sediment compartment with the majority of sorp-
tion occurring within the first 24 h of contact. Further-
more, the synthetic estrogens (mestranol, ethynyl estra-
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Table 5 Reported concentrations of pharmaceuticals and sex hormones in environmental samples

Matrix (Location) Compounds Concentration Reference
(ng/L or ng/g)

Drinking water
(Germany) Phenazone drugs <5–900 [103]
(Germany) Natural and synthetic estrogens <0.1–2.1 [104]
(Germany) Clofibric acid <5–170 [105]
(U.K.) Synthetic estrogens/progestogens <1–10 [106]

Groundwater
(Germany) 60 pharmaceuticals 1.8–1100 [107]
(Germany) 18 antibiotics <20–470 [108]
(Germany) 13 pharmaceuticals n.d.–7300 [105]

River water
(Germany) 18 antibiotics <20–6000 [108]
(Germany) 32 drugs <10–4100 [109]
(Germany) Natural and synthetic estrogens <0.1–5.1 [105]
(U.K.) Natural and synthetic estrogens <0.2–17 [110]
(U.K) Synthetic estrogens/progestogens 2–17 [106]
(Spain) Estrogens and progestogens 0.2–71.1 [29]
(USA) Antibiotics 14–100 [47]
(USA) Prescrition drugs 7–260 [47]
(USA) Nonprescrition drugs 9–80 [47]
(USA) Steroids and hormones 5–2000 [47]
(Canada) Steroids 2–67 [111]

Marine/estuarine water
(North Sea) Neutral/acidic pharmaceuticals <0.002–18.6 [112]

Solid samples
River sediment (Germany) Natural and synthetic estrogens <0.2–1.5 [36]
River sediment (Spain) Estrogens and progestogens 0.05–22.8 [45]
Marine sediment (Washington, USA) Antibacterial drugs <0.2–1.7 µg/g [113]
Fertilized soil (Germany) Antibiotics (TCs and tylosin) 0.1–4 µg/g [114]
Activated and digested sludge (Germany) Natural and synthetic estrogens <2–49 [36]
Activated sludge (Israel) Estrogen 19–64 [33]

Biota
Rainbow trout bile (Sweden) Natural and synthetic estrogens <0.1–2.5 µg/g [46]
Red rock crab meat (Washington, USA) Antibacterial drugs <0.1–3.8 µg/g [113]
Mussel (Canada) Coprostanol 32252 [111]



diol) have been shown to partition to the sediment to a
greater extent than the natural estrogens [43].

To our knowledge, the presence of estrogens and
progestogens in marine sediments has never investigated,
and there are just a few works reporting their occurrence
in river sediments. According to these works, estrogens
and progestogens are present in river sediments at the
pg/g or ng/g level and tend to accumulate in sediments
[36, 45].

On the other hand, in a study conducted by Larsson et
al [46], it was observed that the bile of fish caged down-
stream of STPs contained estrogenic substances at con-
centrations 104–106 times higher than water levels, which
indicates that exposure to environmental estrogens results
in bio-accumulation of prominent amounts of these sub-
stances.

Human and veterinary drugs, 
and personal care products

The study of pharmaceuticals and their bioactive metabo-
lites in the environment has become an issue of much in-
terest worldwide in the last few years, as the high volume
of papers dealing with it shows. The increasing obser-
vance of bacterial resistance caused by the extensive use
of antibiotics in animal and fish farming and the extended
practice of addition of manure and sewage sludge to agri-
cultural fields is of particular concern.

Most of the studies carried out to assess the environ-
mental occurrence of drugs have focused on aquatic me-
dia, especially in connection to drinking water. Soils, sludge
and sediments have been scarcely investigated compared
to water media. Table 5 summarizes the concentrations of
pharmaceuticals reported in the last years. The most com-
prehensive reconnaissance of the occurrence of pharma-
ceuticals, hormones, and other organic wastewater conta-
minants so far was conducted in the USA from 1999 to
2000 by the U.S. Geological Survey [47]. Concentrations
of 95 organic water contaminants, including many of
emerging environmental concern, were measured in sam-
ples from 139 streams in 30 states, chosen according to
their susceptibility to contamination (in other words they
were taken downstream of intense urbanization and live-
stock production). Compounds from a wide range of in-
dustrial, residential and agricultural origins, such as vet-
erinary and human antibiotics, prescription drugs, nonpre-
scription drugs, and other wastewater related compounds,
were detected in this study with a median of seven, but
with as many as 38 compounds found in a given water
sample.

The amounts of pharmaceuticals and their bioactive
metabolites being introduced into the environment are
likely to be low. However, their continuous environmental
input may lead to a high long-term concentration and pro-
mote continual but unnoticed adverse effects on aquatic
and terrestrial organisms.

From all potential sources of environmental exposure
to drugs – manufacturing processes, the disposal of un-

used or expired products, and excreta – animal excreta is
the most important. Most of the drugs used in veterinary
medicine end up in manure. When this manure is dis-
persed on agricultural fields, the non-metabolized drugs
present in the manure (or their biologically active metabo-
lites) may threaten the ground water (depending on their
mobility in the soil system) and affect terrestrial and
aquatic organisms due to leaching from fields.

The same situation is found when the sludge originated
in sewage treatment plants – which may contain drugs that
are non-biodegradable by the activated sludge, such as
sulphonamides [48, 49] – is used to fertilise soils. Various
authors have underlined the incomplete removal of sev-
eral drugs in wastewater treatment plants, which repre-
sents a clear risk for humans [40]. As a result, diverse
pharmaceutical compounds are currently being consid-
ered as possible candidates to be monitored in the near fu-
ture as drinking water contaminants.

Other disposal options for the sewage sludge are land-
filling, incineration, and dumping at sea. Among them,
the most popular for solid waste disposal today is landfill-
ing. However, many of the disposal sites are open dumps
without protective barriers or leachate collection systems,
which involve a risk for the quality of the groundwaters
nearby. The investigation of the presence of pharmaceuti-
cal compounds in landfill leachates and groundwater at
different positions with respect to the disposal site has
been the focus of some recent works. In a study conducted
by Ahel and Jelicic [50] on the occurrence of phenazone
analgesics in leachate samples, concentrations of prophy-
phenazone in the range of 3.7–60 µg/L and much lower
concentrations of aminopyrine and antipiryne were re-
ported. The occurrence and distribution of several phar-
maceutical compounds in the groundwater downgradient
of a landfill in Denmark has also been investigated [16].
In this work, a rapid decrease in concentration of the iden-
tified compounds with distance from the landfill was re-
ported by Holm et al, who attributed the observed large at-
tenuation of pharmaceuticals to the strongly anaerobic
conditions existing in certain parts of the leachate plume.

The persistence of a drug in sediment or soil depends
mostly on its photo stability, its binding and adsorption
capability, its degradation rate, and the leaching in the wa-
ter. Also, the rate of sedimentation highly conditions the
half-life of the chemical [18]. Strongly sorbing pharma-
ceuticals tend to accumulate in the soil or sediment. On
the other hand, highly mobile pharmaceuticals tend to leach
to the groundwater and be transported with the groundwa-
ter, drainage water, and surface run-off to surface waters.

Pharmaceuticals, especially those presenting the great-
est consumption and persistence, have been found in en-
vironmental matrices at considerably higher concentra-
tions (in the ng or µg per liter or per gram range), than
those reported for estrogens and progestogens (in the pg
or ng per liter or per gram range). Their occurrence in the
various aquatic compartments has been investigated in dif-
ferent countries, including Italy, Spain, Sweden, Switzer-
land, Netherlands, UK, Israel, USA, and Canada, but, the
largest amount of data has been produced by Germany.
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Several reviews reported levels of various personal
care products in the aquatic environment. Daughton and
Ternes [51] prepared a comprehensive review on occur-
rence of over 50 individual pharmaceutical and personal care
products (PPCPs), or metabolites from more than 10 broad
classes of therapeutic agents, or personal care products in
environmental samples, mainly in sewage, surface, and
ground waters and much less frequently in drinking waters.

Rimkus reviewed data on the occurrence of polycyclic
musk [52] and musk xylene and musk ketone amino metabo-
lites [53] in water, sediment and suspended particulate
matter, sewage sludge and biota. The highest concentra-
tions of polycyclic musks (HHCB and AHTN) were found
in water (max. concentration 6 µg/L of HHCB and 4.4 µg/L
of AHTN) and sludge (max. concentrations 63 and 34 mg/
kg for HHCB and AHTN, respectively) from sewage plants.
In other samples from different aquatic ecosystems these
chemicals were also detected at varying concentrations
(ranging from low ng/L to µg/L level) dependent on the
distance to STP.

Occurrence of iodine containing diagnostic agents in
aqueous matrices was reported by Hirsch et al [54]. Lev-
els from 10 to 70 ng/L were reported for tap water, 40 to
400 ng/L for surface water and from 0.09 to 3.070 µg/L
for STP effluents. Iodinated contrast media exhibit high
polarity and are very persistent against metabolism by the
organism and environmental degradation. Degradation stud-
ies [55] revealed their poor elimination during wastewater
treatment. For example, diatrizoate was released almost
quantitatively in non-metabolized form, while approximately
85% of iopromide was transformed into two highly hydro-
philic metabolites.

Brominated flame retardants

PBDEs were first discovered in the environment in 1981,
when they were found in pike from western Sweden. Sub-
sequent reports, based on analyses of sediments, docu-
ment the ubiquitous distribution of PBDEs in the environ-
ment. Considerable data is available on the levels and
composition of PBDEs in the environment and biota. On
the basis of the available data, the environmental behav-
iour and fate could be summarized as follows. Because of
their high lipophilicity (log KOW>6) and resistance to
degradative processes, PBDEs are expected to bio-accu-
mulate easily. The higher brominated compounds are less
mobile in the environment, possibly due to their low
volatility, low water solubility and strong adsorption to
sediments. Therefore, the higher brominated compounds
tend to end up in sediments at high residue levels near
their emission sources but not so in marine organisms. On
the other hand, the lower brominated compounds are pre-
dicted to be more volatile, water soluble, and bio-accumu-
lative than the higher brominated compounds. The envi-
ronmental behavior and fate of lower brominated com-
pounds are therefore thought to be similar to chlorinated
pollutants. Although deca-BDE accounts for most PBDE
consumption, it is the lower congeners, tetra-BDE and

penta-BDE, and in particular BDE-47 and BDE-99, that
are most commonly found in the environment. To explain
this discrepancy, some scientists theorize that higher con-
geners break down in the environment.

Considerable data exists on the occurrence of PBDEs
in fish and mammals, although PBDE levels in biota var-
ied widely depending on the species and the collection
sites (Table 6). Until recently, PBDE concentrations de-
tected in wildlife have been below concentrations of
organochlorine compounds, such as PCBs. However, for
certain species, contamination levels are in the same range
as for the PCB congeners. BDE-47 is dominant in biota,
followed by BDE-99, BDE-100, BDE-153 and BDE-154.
On the other hand, BDE-209 is rarely found in biota.
There may be several reasons for the absence of BDE-209
in wildlife samples. It may disappear (and possibly de-
grade to lower brominated congeners) because of chemi-
cal, or microbial degradation, or it may be taken up at re-
duced rates because it is difficult for their relatively large
molecule to cross cell membranes. Levels of BDE-47,
BDE-99 and BDE-100 are low in mammals and birds at
low trophic levels in the terrestrial ecosystem. Higher
concentrations of these PBDE congeners have been found
in biota samples (fish, birds, mammals) in aquatic and
marine ecosystems. In a Swedish study on a wide variety
of animal species (various fish, rabbit, starling, moose,
birds, bird eggs) the levels of PBDEs in terrestrial species
were low compared with the levels in aquatic species
[56]. A spatial trend is apparent with highest levels in
biota from the Netherlands coast followed by the Baltic
Sea, with lower levels in the North Sea and lowest levels
in northern Sweden and the Arctic. The spatial trend is
very similar to that found for PCB and DDT. A similar
spatial trend seems to be indicated along the Pacific coast
of North America compared to the Canadian Arctic in ma-
rine mammals [57].

The levels of BDE-47, BDE-99 and BDE-100 in fish
were high compared with levels in sediment (4.6 to 36-fold)
indicating the bioavailability of the congeners. Moreover,
concentrations have been found to be much lower in edi-
ble muscle tissue of fish than in fish liver, indicating that
they were transported to and stored in the most lipid-rich
tissues. The PBDE levels have been found to increase
with age of the fish, indicating bioaccumulation. Different
studies also showed a clear evidence of bio-magnification
of PBDEs [58]. Burreau et al [59] calculated the bio-mag-
nification potential for several PBDE congeners and found
that these were all positive, meaning that all the studied
congeners bio-magnify. However, there were differences,
with tetra- and penta-BDEs biomagnifying to a similar de-
gree, the tri-BDEs biomagnifying somewhat less and the
hexa-BDEs biomagnifying considerably less.

Several studies show an increasing trend in the con-
centrations of PBDEs in the environment since 1970s.
Some differences are seen between Europe and North
America. In North America, temporal trends in lake trout
from Lake Ontario, ringed seal, and beluga from the Cana-
dian Arctic all indicate steady and continuing increases in
PBDE concentrations, with no indications of leveling off. The

558



trends in Baltic guillemot indicate that levels of BDE-47,
BDE-99 and BDE-100 have begun to decline in the Baltic
Sea since voluntary withdrawal of use in a number of coun-
tries [60]. The trends in pike from Lake Bolmen, Sweden,
indicate a leveling off of PBDE levels in the 1990s. The
continuously increasing trends in North America may be
more reflective of the fact that PBDE technical products
are still being used to a larger extent than in Europe.

On the other hand to the organochlorine compounds,
the concentrations of PBDEs have increased during the
period 1972–1997, indicating a doubling of the levels
every 5 years [61]. Since this report on drastic increase of
PBDE concentrations in human milk from Sweden, mon-
itoring for temporal trends of PBDE were carried out in other
countries, such as Canada [62] and United States [63].
These studies confirmed that human exposure to PBDEs
is increasing. The data showed that PBDEs are global
contaminants that have a tendency to increase in concen-
tration in the environment and human samples in some
parts of the world, in particular in North America. The ac-
cumulation and ongoing increase in the levels of PBDEs
calls for immediate measures to stop the environmental
pollution and human exposure to PBDEs.

Plasticizers

In all reported studies di(ethylhexyl)phthalate (DEHP)
was found to be predominant phthalate ester (PAE), due to
its high production (nearly 90% of European plasticizer
use) and its physico-chemical properties (low solubility
and relatively high Kow). It was estimated that 15–17% of
the low molecular weight phthalates (dimethyl phthalate-
DMP to benzylbutyl phthalate-BBP) was particulate
bound while for DEHP and di(n-octyl)phthalate (DnOP)
53 to 74% of the total concentration was sorbed to sus-
pended particulate matter.

The most systematic study on the occurrence of PAEs
in the aquatic environment was conducted by Fromme et
al [64]. The levels of DEHP and dibutyl phthalate (DBP)
were reported for 116 surface water-samples, 35 sedi-
ments from rivers, lakes and channels, 39 sewage effluents
and 38 sewage sludges collected in Germany. The phthalate
burden was mainly from DEHP, whilst DBP was found in
minor concentrations and BBP at concentrations near the
detection limit. The concentrations found ranged from 0.3–
98 µg/L (surface water), 1.7–182 µg/L (sewage effluent),
28–154 mg/kg dw (sewage sludge) and 0.2–8.4 mg/kg (sed-
iment). The highest concentrations found were closely re-
lated to the input of industrial wastewaters from plastic pro-
duction and were limited to a few kilometers downstream
of the source of contamination.
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Table 6 Reported concentrations of PBDEs in environmental samples

Matrix (Location) Compounds Concentration Reference

Sediment
River sediments (Japan) Tetra- + Penta-BDEs 21–59 ng/g [115]
Sediments downstream of plastic industry (Sweden) BDE-47 490 ng/g [116]

BDE-99 750 ng/g
BDE-100 170 ng/g

Sediments from a river with textile industries (Sweden) BDE-47+99+100 nd–9.6 ng/g [117]
BDE-209 nd–360 ng/g

Sediment (Baltic Sea) Sum PBDE nd–1.1 ng/g [118]
River mouth sediments (Europe) BDE-47 <0.17–6.2 ng/g [119]

BDE-99 <0.19–7.0 ng/g

Sewage Sludge
Digested sludge (Gothenburg, Sweden) Sum PBDE 20–30 ng/g [120]
Sewage sludge (Germany) Sum PBDE 0.4–15 ng/g [121]
Digested sludge (Stockholm, Sweden) BDE-47 39–91 ng/g [122]

BDE-99 48–120 ng/g
BDE-100 11–28 ng/g
BDE-209 140–350 ng/g

Biota
Fish from background areas (Sweden) Sum PBDE 26–1200 ng/g fat [56, 123]
Fish (Sweden) BDE-47+99+100 19–4600 ng/g fat [124]
Osprey found dead (Sweden) Sum PBDE 2100 ng/g fat [119, 123]
Marine fish and shellfish (Japan) Tetra- + Penta-BDEs 0.1–17 ng/g fat [125]
Freshwater fish (North-Rhine Westphalia) Sum PBDE 18–983 ng/g fat [126]
Salmon (Baltic sea) BDE-47 167–190 ng/g fat [58]

BDE-99 52 ng/g fat
Cow’s milk (Germany) Sum PBDE 2.5–4.5 ng/g fat [126]
Reindeer and moose (Sweden) Sum PBDE 0.47–1.7 ng/g fat [127]
Chickens (US) Sum PBDE 3.6–35.1 ng/g fat [128]



In the same study high concentration of bisphenol A
(BPA) was confirmed in waste dump water and compost wa-
ter samples as well as in the liquid manure samples (from 61 to
1112 µg/L). In surface waters concentrations ranged from
0.5 to 410 ng/L, in sewage effluents 18–702 ng/L, up to 
0.19 mg/kg in sediments and up to 1.4 mg/kg in sewage
sludge.

Estrogenicity of environmental samples

Correlation of calculated estrogenicity (EEQ based on chem-
ical analysis of target EDCs) and measured estrogenicity
(based on bioassays) is often bad, since the calculated
EEQs include the contribution of only a limited number of
EDCs (target compounds) and do not include interaction
and antagonism between compounds. Generally, the pic-
ture emerging from bioassays is somewhat different from
the one coming from the chemical analysis of the same
samples. The most prominent compounds found in most
samples were NP and its derivatives, whereas very potent
steroid hormones were found in low concentrations, often
just above the LOD of the analytical method used, or were
not chemically detected. Therefore, a measured level is
relatively uncertain and because of the high EEF values of
these compounds the calculated EEQ results in high un-
certainty. Additionally, chemical analysis generally includes
only several target compounds, underestimating the pres-
ence of other known and unknown EDCs.

The percentage of estrogenic potency explained by
chemical analysis is generally low. Analysing steroid sex
hormones in STP influents Murk et al [65] explained 70%
of the ER-CALUX activity. However, in the effluent sam-
ples the explained fraction decreased to 20%, which coin-
cides with a lower contribution of hormones and possible
formation of bioactive metabolites.

The natural steroid 17β-estradiol, originating from do-
mestically derived STP effluents, was the major component
(84–90%) causing activity in the YES assay in the surface
waters of UK estuaries, while androsterone, NP, DEHP and
other unknown agents contributed to a lesser extent [10]. In
the study of Desbrow et al [9] the most active fraction
(>80% total activity in domestic effluent) was found to con-
tain low levels of natural and synthetic steroidal estrogens.

Garcia-Reyero et al [66] found that the YES is rather
insensitive to NP, and possible inhibitory effects might
easily mask some compounds with high detection limits.
For example, in their study YES was apparently unable to
detect NP in some STP effluents although its concentra-
tion surpassed the calculated LOD. They found that the
key problem of the use of YES to test environmental sam-
ples is the presence of inhibitory compounds, whose na-
ture is still elusive, suggesting that the use of an appropri-
ate panel of different yeast systems (perhaps including the
androgen and the glucocorticoid receptors, among others)
will be useful in the characterization of both estrogenic
and antiestrogenic compounds.

Körner et al [67] showed that the levels of estrogenic
compounds chemically detected in STP influents and ef-
fluents accounted only for 0.7 to 4.3% of the total esto-

genic activity detected by E-screen (expressed as EEQ value).
Among the detected target compounds (phenolic xeno-
estrogens) the contribution of NP was the largest, how-
ever natural and synthetic estrogens were not analyzed.

Hilscherova et al [68] determined that, based on mass
balance calculations, certain PAHs and their metabolites
were the most likely compounds contributing to the estro-
genicity, while the contribution of some other compounds
such as PCNs and PAH derivatives was very low. In their
study, the contribution of alkylphenols to the calculated
EEQ for riverine sediments was only 2%.

Conclusions

TIE is recommended as the most appropriate approach for
the identification of estrogenic compounds in environ-
mental samples. Bioassays, combined with toxicity-based
fractionation, can account for interactions within complex
mixtures that are not possible to consider in conventional
chemical residue analysis. However, at present, many dif-
ferent assays are being used and one of the problems to be
solved is the standardization and inter-comparison of the
different effects measured. Additionally, due to different
modes of action and end-points one single bioassay is not
sufficient and a battery of tests, including both in vitro and
in vivo assays that assess both receptor and non-receptor
mediated mechanisms of action, seems to be the most ap-
propriate way to assess the potential of EDCs in complex
environmental samples.

Further improvements in analytical protocols will al-
low additional research, which is needed to evaluate envi-
ronmental presence and impact of unknown EDCs. Due to
the diversity of chemical compounds that are responsible
for endocrine disruption, tailor-made specific analytical
protocols are required for their determination. As EDCs
are chemically extremely heterogeneous and range from
very polar and very soluble to very hydrophobic, effect-
based analysis still requires further optimization and vali-
dation of extraction procedures in order to reveal the iden-
tity of compounds causing the effects observed. Within
modern analytical techniques, only GC and LC combined
with MS and tandem MS, respectively, provide sufficient
selectivity and inherent sensitivity in analyzing EDCs in
complex samples. However, further improvements are needed
to lower the LODs for some EDCs, particularly for
ethynylestradiol and other compounds from the same group.
Since these compounds are affecting aquatic organisms at
levels as low as 1 ng/L, the chemical analysis of such an-
alytes should be able to quantify these molecules at 0.1–
1 ng/L, which is quite difficult at present.

In any case, the complex issue of EDCs in the environ-
ment needs further research, especially in order to gain
more insight into the factors that determine their bioavail-
ability and release. Combined exposure to mixtures of
EDCs (even at concentration levels lower than the no-ob-
served effect level) that may produce additive effects still
has to be assessed, as well as the fate and behavior of nu-
merous, still undiscovered EDCs.

560



Acknowledgements This work has been supported by the EU
Program Copernicus (EXPRESS-IMMUNOTECH) contract Num-
ber ICA2-CT-2001-10007, and the Spanish MCyT (PPQ2000-
3007-CE). M. Petrovic and M.J. Lopez de Alda acknowledge the
“Ramon y Cajal” contract from the Spanish MCyT.

References

1. Norberg King TJ, Durhan EJ, Ankley GT (1991) Environ
Toxicol Chem 10:891

2. Ankley GT, Burkhard LP (1992) Environ Toxicol Chem 11:
1235

3. Bitsch N, Dudas C, Koerner W, Failing K, Biselli S, Rimkus
G, Brunn H (2002) Arch Environ Contam Toxicol 43:257

4. Foran CM, Bennett ER, Benson WH (2000) Mar Environ Res
50:153

5. Reemtsma T, Fiehn O, Jekel M (1999) Fresenius J Anal Chem
363:771

6. Castillo M, Barceló D (2001) Anal Chim Acta 426:253
7. Castillo M, Barceló D (1999) Anal Chem. 71:3769
8. Fenet H, Gomez E, Pillon A, Rosain D, Nicolas J.C. Casellas

C, Balaguer P. (2003) Arch Enviorn Contam Toxicol 44:1
9. Desbrow C, Routledge EJ, Brighty GC, Sumpter JP, Waldock

M (1998) Environ Sci Technol 32:1549
10. Thomas KV, Hurst MR, Matthiessen P, Waldock MJ (2001)

Environ Toxicol Chem 20:2165
11. Galassi S, Benfenati E (2000) J Chromatogr A 889:149
12. Reineke N, Bester K, Hühnerfuss H, Jastorff B, Weigel S

(2002) Chemosphere 47:717
13. Bobeldijk I, Brandt A, Wullings B, Noij Th (2001) J Chro-

matogr A 918:277
14. Hoogenboom LAP, Hamers ARM, Bovee TFH (1999) Ana-

lyst 124:79
15. Gutendorf B, Westendorf J (2001) Toxocology 166:79
16. Giesy JP, Hilscherova K, Jones PD, Kannan K, Machala M

(2002) Mar Pollut Bull 45:3
17. Baker VA (2001) Toxicol in Vitro 15:413
18. Barceló D, Petrovic M, Eljarrat E, Lopez de Alda MJ, Kam-

pioti A (2003) Environmental Analysis. In: Heftmann E (ed)
Chromatography, 6th edn. Elsevier, Amsterdam (in press)

19. Croley TR, Hughes RJ, Koenig BG, Metcalfe CD, March RE
(2000) Rapid Commun Mass Spectrom 14:1087

20. Petrovic M, Diaz A, Ventura F, Barcelò D (2003) J Am Soc
Mass Spectrom 14:516

21. Laganà A, Bacaloni A, Fago G, Marino A (2000) Rapid Com-
mun Mass Spectrom 14:401

22. Hogenboom AC, Niessen WMA, Little D, Brinkman UAT
(1999) Rapid Commun Mass Spectrom13: 125

23. Hogenboom AC, Niessen WMA, Brinkman UAT (2000)
Rapid Commun Mass Spectrom 14: 1914

24. Morris R, Paxton T, Dell A, Langhorne J, Berg M, Bordoli
RS, Hoyes J, Bateman RH (1996) Rapid Commun Mass
Spectrom 10: 889

25. Bobeldijk I, Stoks PGM, Vissers JPC, Emke E, van Leerdam
JA, Muilwijk B, Berbee R, Noij ThHM (2002) J Chromatogr
A 970:167

26. Bobeldijk I, Vissers JPC, Kearney G, Major H, van Leerdam
JA (2001) J Chromatogr A 929:63

27. Ferrer I, Thurman E.M (eds) (2003) LC-MS, MS-MS and
TOF-MS: Analysis of emerging contaminants. ACS Sympo-
sium series 850, AMER. Chem. Soc., Washington

28. Knepper T, Barcelò D, de Voogt P (eds) (2003) Analysis and
fate of surfactants in the aquatic environment. Elsevier, Am-
sterdam

29. Petrovic M, Solé M, López de Alda MJ, Barceló D (2002) En-
viron Toxicol Chem 21:2146

30. Jobling S, Sheahan D, Osborne JA, Matthiessen P, Sumpter
JP (1996) Environ Toxicol Chem 15:194

31. Ahel M, Giger W (1993) Chemosphere 26:1471

32. Giger W, Alder AC, Ahel M, Schaffner C, Reiser R, Albrecht
A, Lotter AF, Sturm M (2002) Chemical analysis and risk as-
sessment of emerging contaminants in sediments and dredged
material. SedNet Workshop, November 2002, Barcelona, Spain

33. Shore LS, Gurevitz M, Shemesh M (1993) Bull Environ Con-
tam Toxicol 51:361

34. Kaplin C, Hemming J, Holmbom B (1997) Boreal Environ
Res 2:239

35. Alcock RE, Sweetman A, Jones KC (1999) Chemosphere
38:2247

36. Ternes TA, Andersen H, Gilberg D, Bonerz M (2002) Anal
Chem 74:3498

37. Ternes TA, Kreckel P, Mueller J (1999) Sci Total Environ
225: 91

38. Belfroid AC, Van der Horst A, Vethaak AD, Schäfer AJ, Rijs
GBJ, Wegener J, Cofino WP (1999) Sci Total Environ 225:
101

39. Huang CH, Sedlak DL (2001) Environ Toxicol Chem 20:133
40. Ternes TA, Stumpf M, Mueller J, Haberer K, Wilken RD,

Servos M (1999) Sci Total Environ 225:81
41. Baronti C, Curini R, D’Ascenzo G, Di Corcia A, Centili A,

Samperi R (2000) Environ Sci Technol 34:5059
42. http://esc.syrres.com
43. Lai KM, Johnson KL, Scrimchaw MD, Lester JN (2000) En-

viron Sci Technol 34:3890
44. Jurgens MD, Williams RJ, Johnson AC (1999) Research and

Development Technical Report P161. Environment Agency,
Bristol

45. M.J. López de Alda, A. Gil, E. Paz and D. Barceló (2002)
Analyst 127:1279

46. Larsson DGJ, Adolfsson-Erici M, Parkkonen J, Petterson M,
Berg AH, Olsson PE, Förlin L (1999) Aquatic Toxicol 45:91

47. Kolpin DW, Furlong ET, Meyer MT, Thurman EM, Zaugg
SD, Barber LB, Bastón HT (2002) Environ Sci Technol 36:
1202

48. Richardson ML, Bowron JM (1985) J Pharm Pharmacol 37:1
49. Ingerslev F, Halling-Sorensen B (2000) Environ Toxicol

Chem 19:2467
50. Ahel M, Jelicic I (2000) Extended Abstracts 40:109
51. Daughton CG, Ternes TA (1999) Environ Health Perspect

107:907
52. Rimkus GG (1999) Toxicol Lett 111:37
53. Rimkus GG, Gatermann R, Hühnerfuss H (1999) Toxicol Lett

111:5
54. Hirsch R, Ternes TA, Lindart A, Haberer K, Wilken RD, Fre-

senius J Anal Chem 366:835
55. Kalsch W (1999) Sci Total Environ 225: 143
56. Sellström U, Jansson B, Kierkegaard A, de Wit CA, Odsjö T,

Olsson M (1993) Chemosphere 26: 1703
57. de Wit CA (2002) Chemosphere 46:583
58. Haglund P, Zook DR, Buser HR, Hu J (1997) Environ Sci

Technol 31:3281
59. Burreau S, Broman D, Zebühr Y (1999) Organohalogen

Compd 40:363
60. de Wit CA (1999) Organohalogen Compd 40:329
61. Norén K, Meironyté D (2000) Chemosphere 40:1111
62. Ryan JJ, Patry B, Mills P, Beaudoin NG (2002) Organohalo-

gen Compd 58:173
63. Papke O, Bathe L, Bergman A, Frust P, Meironyte D, Her-

mann T, Noren K (2001) Organohalogen Compd 52:197
64. Fromme H, Küchler T, Otto T, Pilz K, Müller J, Wenzel A

(2002) Water Res 36:1429
65. Murk AJ, Legler J, van Lipzig MMH, Meerman JHN, Bel-

froid AC, Spenkelink A, van der Burg B, Rijs BGJ, Vethaak
D (2002) Enviorn Toxicol Chem 21:16

66. García-Reyero N, Grau E, Castillo M, López de Alda MJ,
Barceló D, Piña B (2001) Environ Toxicol Chem 20:1152

67. Körner W, Bolz U, Süβmuth W, Hiller G, Schuller W, Hanf
V, Hagenmaier H (2000) Chemosphere 40:1131

68. Hilscherova K, Kannan K, Holoubek I, Giesy JP (2002) Arch
Environ Contam Toxicol 43:175

561



69. Fawell JK, Sheahan D, James HA, Hurst M, Scott S (2001)
Water Res 35:1240

70. Leger J, Leonards P, Spenkelink A, Murk AJ (2003) Ecotoxi-
cology 12:239

71. Cespedes R, Petrovic M, Raldua D, Piña B, Lacorte S, Viana
P, Barceló D Anal Bioanal Chem (in press)

72. Segner H, Navas JM, Schäfers C, Wenzel A (2003) Ecotoxi-
col Environ Safety 54:315

73. Folmar LC, Hemmer MJ, Denslow ND, Kroll IK, Chen J,
Cheek A, Richman H, Meredith H, Grau EG (2002) Aquat
Toxicol 60:101

74. Bitsch N, Dudas C, Körner W, Failing K, Biselli S, Rimkus
G, Brunn H (2002) Arch Environ Contam Toxicol 43:257

75. Richardson S D (2002) Anal Chem 74:2719
76. Petrovic M, Eljarrat E, Lopez de Alda MJ, Barcelo D (2002)

J Chromatogr A 974:23
77. Petrovic M, Barceló D (2002) Chromatographia 56:535
78. Thomas TA (2001) TrAC, Trends Anal Chem 20:419
79. Diaz-Cruz S, Lopez de Alda MJ, Barcelo D (2003) TrAC,

Trends Anal Chem 22:340
80. López de Alda M J, Barceló D (2001) Fresenius J Anal Chem

371:437
81. López de Alda M J, Barceló D (2001) J Chromatogr A 938:

145
82. de Boer J, Law RJ (2003) J Chromatogr A (in press)
83. Hyötyläinen T, Hartonen K (2002) TrAC, Trends Anal Chem

21:13
84. de Boer J, Allchin C, Law R, Zegers B, Boon JP (2001)

TrAC, Trends Anal Chem 20:591
85. Bolz U, Hagenmaier H, Körner W (2001) Environ Pollut

115:291
86. Bennet ER, Metcalfe CD (1998) Environ Toxicol Chem 17:

1230
87. Bennie DT, Sullivan CA, Lee HB, Peart TE, Maguire RJ

(1997) Sci Total Environ 193:263
88. Naylor CG, Mieure JP, Adams WJ, Weeks JA, Castaldi FG,

Ogle LD, Romano RR (1992) J Am Oil Chem Soc 69:695
89. Tsuda T, Suga K, Kaneda E, Ohsuga M (2002) Bull Environ

Contam Toxicol 68:126
90. Marcomini A, Chapel PD, Lichtensteiger Th, Brunner PH,

Giger W (1989) J Environ Qual 18:523
91. Giger W, Brunner PH, Ahel M, McEvoy J, Marcomini A,

Schaffner C (1987) Gas Wasser Abwasser 67:111
92. Hawrelak M, Bennett E, Metcalfe C (1999) Chemosphere 39:

745
93. Petrovic M, Rodríguez-Alba A, Borull F, Marce RM, Gonza-

lez-Mazo E, Barceló D (2002) Environ Toxicol Chem 21:37
94. Kveštak R, Terzić S, Ahel M (1994) Mar Chem 46:89
95. Kveštak R, Ahel M (1994) Ecotoxicol Environ Saf 28 25
96. Blackburn MA, Waldock MJ (1995) Water Res 29:1623
97. Blackburn MA, Kirby SJ, Waldock MJ (1999) Mar Pollut

Bull 38:109
98. Lye CM, Frid CLJ, Gill CM, Cooper DW, Jones DM (1999)

Environ Sci Technol 33:1009
99. de Voogt P, Kwast O, Hendriks R (2002) in D.Vethaak et al:

Estrogens and xeno-estrogens in the aquatic environment of
The Netherlands. RIZA/RIKZ report 2002.001 The Hague.
ISBN 9036954010

100. Ferguson PL, Iden CR, Brownawell BJ (2000) Anal Chem 72:
4322

101. Ferguson PL, Iden CR, Brownawell BJ (2001) Environ Sci
Technol 35:2428

102. Zoller U, Hushan M (2001) Water Sci Technol 43:245
103. Reddersen K, Heberer T, Dünnbier U (2002) Chemosphere

49:539
104. Kuch HM, Ballschmiter K (2001) Environ Sci Technol 35:

3201
105. Heberer T (2002) J Hydrology 266:175
106. Aherne GW, Briggs R (1989) J Pharm Pharmacol 41:735
107. Sacher F, Lange FT, Brauch HJ, Blankenhorn I (2001) 

J Chromatogr A 938:199
108. Hirsch R, Ternes T, Haberer K, Kratz KL (1999) Sci Total

Environ 225:109
109. Ternes TA (1998) Water Res 32:3245
110. Xiao XY, McCalley DV, McEvoy J (2001) J Chromatogr A

923:195
111. Cathum S, Sabik H (2001) Chromatographia 53:S-394
112. Weigel S, Kuhlmann J, Hühnerfuss H (2002) Sci Total Envi-

ron 295:131
113. Capone DG, Weston DP, Miller V, Shoemaker C (1996)

Aquaculture 145:55
114. Hamscher G, Sczesny S, Höper H, Nau H (2002) Anal Chem

74:1509
115. Watanabe I, Kawano M, Tatsukawa R (1995) Organohalogen

Compd 24:337
116. Sellström U, Jansson B (1995) Chemosphere 31:3085
117. Sellström U, Kierkegaard A, de Wit C, Jansson B (1998) En-

viron Toxicol Chem 17:1065
118. Jonsson P, Kankaanpä H (1999). In: Perttilä M (ed) Contami-

nants in the Baltic Sea sediments. Results from the 1993
ICES/HELCOM Sediment Baseline Study. (Manuscript)

119. van Zeijl H (1997) Report of the results of the one-off survey
DIFFCHEM. Report SIME 97/6/1-E, Oslo and Paris Com-
missions

120. Nylund K, Asplund L, Jansson B, Jonsson P, Litzén K, Sell-
ström U (1992) Chemosphere 24:1721

121. Hagenmaier H, She J, Benz T, Dawidowsky N, Düsterhöft L,
Lindig C (1992) Chemosphere 25:1457

122. de Wit CA (1999) Organohalogen Compd 40:329
123. Jansson B, Andersson R, Asplund I, Litzén K, Nylund K,

Sellström U, Uvemo UB, Wahlberg C, Wideqvist U, Odsjö T,
Olsson M (1993) Environ Toxicol Chem 12:1163

124. Sellström U, Kierkegaard A, de Wit C, Jansson B, Asplund C,
Bergander L, Bignert A, Odsjö T, Olsson M (1996)
Organohalogen Compd 28:524

125. Watanabe I, Kashimoto T, Tatsukawa R (1987) Chemosphere
16:2389

126. Krüger C (Thesis) Polybrominated biphenyls and polybromi-
nated diphenyl ethers – detection and quantitation in selected
foods. University of Munster, Germany

127. Sellström U, Jansson B, Kierkegaard A, de Wit C, Odsjö T,
Olsson M (1993) Chemosphere 26:1703

128. Huwe JK, Lorentzsen M, Thuresson K, Bergman A (2000)
Organohalogen Compd 47:429

562


