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Abstract. Photochemical reactions involving colored dis-
solved organic matter (CDOM) in natural waters are im-
portant determinants of nutrient cycling, trace gas produc-
tion and control of light penetration into the water column.
In this study the role of the hydroxyl radical (∑OH) in
CDOM photodegradation was explored as well as the con-
tribution of photo-Fenton chemistry to ∑OH formation.
Photochemically produced ∑OH was observed under aero-
bic and dioxygen-depleted conditions in highly colored,
acidic natural water samples obtained from a freshwater
reach of the Satilla River, a river in the southeastern United
States. Net aerobic ∑OH formation along with the produc-
tion of hydrogen peroxide and Fe(II) provided evidence of
photo-Fenton produced ∑OH. A reduction in ∑OH produc-
tion in the presence of iron chelators further suggests the
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importance of iron and the photo-Fenton reaction in this
water. Apparent quantum yield values for the photochemi-
cal production of ∑OH were determined from 300–320 nm.
In addition, the relationship between ∑OH photoproduction
and effects of irradiation on the optical properties of
CDOM was examined. Changes in the light absorption and
fluorescence properties of water samples from the Satilla
River and other natural waters were compared to ∑OH pro-
duction rates. The ability of constituents of Satilla River
water, principally the dissolved organic matter, to scavenge
∑OH was also considered. Results indicate that the photo-
Fenton reaction accounts for more than 70% of total pho-
tochemical ∑OH production in Satilla River water. Given
the significant levels of ∑OH produced in this water, it is
possible that ∑OH influences CDOM photobleaching.
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Introduction

Photochemical reactions involving colored dissolved or-
ganic matter (CDOM) in natural waters are important in
terms of the cycling of carbon, nitrogen, and redox sensi-
tive metals in the aquatic environment. In addition, photo-
chemical degradation of CDOM can affect the penetration
of light into the water column. Many reactive transients

are produced through photochemical reactions in natural
waters. The hydroxyl radical (∑OH) is the most highly re-
active of the many reactive oxygen species produced in
these systems (Blough and Zepp, 1995). The production of
∑OH accompanies photoreactions of nitrate (Zafiriou and
True, 1979; Zepp et al., 1987; Zellner et al., 1990), nitrite
(Zafiriou and True, 1979; Zafiriou and Bonneau, 1987),
iron and copper complexes (Zepp et al., 1992; Faust, 1994;
Blough and Zepp, 1995; Voelker and Sulzberger, 1996;
Goldstone et al., 2002; Zepp, 2002) and CDOM (Mopper
and Zhou, 1990; Vaughan and Blough, 1998). Steady-state
∑OH concentrations can be calculated based on the major
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known ∑OH sources and sinks (Hoigné et al., 1989;
Schwarzenbach et al., 1993). These estimates generally
assume that nitrate is the major source while carbonate
and DOM are the dominant ∑OH scavengers. While this
may be valid for some waters, ∑OH concentrations can be
under-predicted in systems where CDOM photolysis (re-
action 1) and photo-Fenton processes (reactions 2 and 3)
serve as significant sources of ∑OH. However, the impor-
tance of these production pathways has not been fully 
explored.

CDOM + hv Æ Æ OH (1)

Fe(III) + hv Æ Fe(II) (2)

Fe(II) + H2O2 Æ Fe(III) + ∑OH + OH– (3)

In this paper, Fe(II) is used to represent Fe2+ and its com-
plexes and Fe(III) to denote Fe3+ and its complexes with
DOM and other ligands.

Photochemical reactions can result in the reduction of
Fe(III) through ligand-to-metal charge transfer (reaction
4), or through reaction of the complexes with superoxide
ions (reaction 5) (Faust and Zepp, 1993; Faust, 1994;
Voelker and Sedlak, 1995; Voelker and Sulzberger, 1996;
Voelker et al., 1997; Gao and Zepp, 1998; Emmenegger
et al., 2000). The production of superoxide/hydroperoxyl
radicals (HO2/O2

∑–) proceeds through the photoreduction
of dioxygen by CDOM (reaction 6), resulting in the for-
mation of hydrogen peroxide (H2O2) via dismutation of
HO2/O2

∑– (reaction 7) (Cooper and Zika, 1983; Draper and
Crosby, 1983; Cooper et al., 1988; Scully et al., 1996).

Fe3+ – (DOM)m + hv Æ Fe2+ – DOMm–1 + DOMox
+ (4)

Fe(III) + O2
∑– Æ Fe(II) + O2 (5)

CDOM + hv + O2 Æ DOMox + HO2/O2
∑– (6)

HO2/O2
∑– + HO2/O2

∑– Æ H2O2 (7)

The concurrent photochemical production of Fe(II) and
H2O2 in natural waters suggests that the photo-Fenton re-
action may be occurring in natural waters, particularly in
highly colored, iron-rich, acidic waters.

Due to the complexity of DOM, iron-DOM com-
plexes and the associated photochemistry, there has, of
yet, been little direct evidence that this photo-Fenton
mechanism is actually occurring in natural waters. Pre-
liminary investigations of ∑OH production by direct pho-
tolysis of CDOM suggest that the photo-Fenton reaction
may be of importance. Specifically, Vaughan and Blough
(1998) observed a reduction in ∑OH production upon re-
moval of H2O2 from Suwannee River fulvic acid (SRFA),
suggesting that up to 50% of ∑OH production may be due

to the photo-Fenton route (under aerobic conditions).
Furthermore, the addition of 2 µM iron to SRFA enhanc-
ed ∑OH production, indicating that iron and iron-organic
complexes may contribute to ∑OH production either di-
rectly or through photo-Fenton chemistry (White, 2000).
In a more detailed study, Southworth and Voelker (2003)
found that H2O2 production rates from the photolysis of
SRFA dropped off upon addition of iron and that iron ad-
dition was accompanied by an increase in ∑OH produc-
tion. These results provide evidence that the photo-Fenton
reaction is responsible for a significant amount of ∑OH
production in iron-rich solutions of humic substances,
and that this photo-Fenton source is comparable to ∑OH
production from direct photolysis of SRFA in this system
(Southworth and Voelker, 2003).

In addition to the production of ∑OH and H2O2, ab-
sorption of solar radiation by CDOM results in the for-
mation of other secondary photoproducts including: 
carbon dioxide and dissolved inorganic carbon species,
carbon monoxide, and low-molecular weight organic
compounds (Kieber et al., 1990; Valentine and Zepp,
1993; Miller and Zepp, 1995; Amon and Benner, 1996;
Granéli et al., 1996; Miller and Moran, 1997; Moran and
Zepp, 1997). Since CDOM is the primary light-absorbing
species in aquatic systems, the optical properties of nat-
ural waters may be affected by its breakdown. Photo-
chemical degradation of CDOM results in a decrease in
absorption coefficients and fluorescence of natural wa-
ters (Del Vecchio and Blough, 2002; Zepp, 2002). It is not
clear how, or even if, these processes are related since the
mechanisms responsible for CDOM photobleaching are
not well understood. However, in waters with high rates
of ∑OH production, some of the bleaching may be due to
reactions between DOM and ∑OH (Goldstone et al.,
2002). ∑OH “scavenging” by DOM has been studied for a
variety of natural waters and DOM isolates (Hoigné and
Bader, 1978; Hoigné and Bader, 1979; Haag and Hoigné,
1985; Hoigné et al., 1989; Mopper and Zhou, 1990; Zepp
et al., 1992; Haag and Yao, 1992; Brezonik and Fulker-
son-Brekken, 1998; Westerhoff et al., 1999; Goldstone et
al., 2002; Southworth and Voelker, 2003). In addition, it
is assumed that ∑OH is the reactive species responsible for
the formation of low molecular weight fragments and dis-
coloration during the treatment of wastewater by ozonol-
ysis or irradiation with H2O2 (Takahashi et al., 1995).
∑OH is also thought to be important in certain processes
used for degradation of humic acids in the treatment of
drinking water (Staehelin and Hoigné, 1985; Gjessing,
1991; Cooper et al., 1996; Wang et al., 2001). Therefore,
similar inferences may be made about the photobleach-
ing process in natural waters. While the connection be-
tween ∑OH and DOM bleaching has been investigated for
Suwannee River fulvic and humic acids (Goldstone et al.,
2002), this mechanism has not been fully explored in 
actual natural water samples.
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In this study we determine the contribution of the
photo-Fenton reaction to ∑OH production in a natural wa-
ter sample. We measured photochemical production of
∑OH in water samples from a highly colored, acidic river
(Satilla River, Georgia, USA) that contains high iron con-
centrations (typically > 10 µM) and in other water samples
from the southeastern United States. Apparent quantum
yield values (at 300–320 nm) were determined for ∑OH
production under both aerobic and dioxygen-depleted
conditions. Photochemical production of H2O2 and Fe(II)
was also quantified to examine the potential role of these
species in ∑OH production. The photo-Fenton pathway
was effectively eliminated by removal of either dioxygen
or reactive iron from the system. We have also investi-
gated the role of ∑OH in the photobleaching of CDOM in
natural water samples. Changes in absorption spectra,
due to exposure to light, were measured to show that pho-
tochemically produced ∑OH could potentially affect the
bleaching of a water sample.

Materials and methods

Chemicals
Boric acid (99.99%), sodium hydroxide (99.99%), so-
dium nitrite (99.99%), sodium dihydrogen phosphate
(99.99%), dimethyl sulfoxide (DMSO, 99.9%), hydro-
gen peroxide, chloroform, and hydroxylamine hydro-
chloride were purchased from Aldrich. Fluorescamine,
trizma base (tris(hydroxymethyl)amino-methane, 99.8%),
and horseradish peroxidase (250 units/mg) were pur-
chased from Sigma. Glacial acetic acid, HPLC grade
methanol and acetonitrile, ferrous ammonium sulfate,
sulfuric acid, ammonium acetate, and p-hydroxyphenyl-
acetic acid (POHPAA) were purchased from Fisher.
Potassium permanganate, ethylenediaminetetraacetate
(EDTA), and ferric chloride were purchased from J. T.
Baker. Hydroxylamine sulfate (99%), and 1,10-phenan-
throline (99%) were purchased from Alfa chemicals. 
Ferrozine iron reagent was purchased from Kodak. Qui-
nine sulfate dihydrate was purchased from Fluka. Sodium
fluoride was purchased from Matheson Coleman and
Bell. Desferrioxamine mesylate (Desferal, DFOM) was
obtained from Novartis Pharmaceuticals Corporation. 
3-amino-2,2,5,5,-tetramethyl-1-pyrrolidinyloxy free rad-
ical (3AP) was purchased from Fisher (Acros). Potassium
hydrogen phthalate (KHP) was purchased from Nacalai
Tesque (provided by Shimadzu). Valerophenone (99%)
was purchased from TCI. A Barnstead Nanopure® Model
D-7331 purification system provided water for all exper-
iments. Satilla River water samples, collected in August
1999 (pH 5.9, 21.6 mg C/L, 5 mM Fe) and March 2001
(pH 6.9, 19.7 mg C/L, 13.6 mM Fe), were filtered with
0.6 mm heat-treated glass fiber filters, 0.2-mm polycar-
bonate membrane filters and stored in the dark at 4°C.

With some of the experiments, fluoride (0.100 M) or
DFOM (0.100 mM) was added to Satilla River water and
stirred for 18 hours prior to irradiation to allow the Fe(III)
to exchange from DOM complexes to the fluoride or
DFOM. Additional filtered water samples were available
that had been collected from the Mississippi River Plume,
mid-Hawk channel in the Florida Keys, and a stream in
the McDonalds Branch basin of the New Jersey Pine Bar-
rens. Nitrite solutions were made in 50 mM borate buffer
(pH 8) and stored in the dark at 4°C.

Apparatus
Absorption spectra were obtained with an Agilent Model
8453 diode array spectrophotometer. Total organic carbon
measurements were made with a Shimadzu TOC 5050A
analyzer, using a 100 mL injection volume. The high-per-
formance liquid chromatography (HPLC) system, consist-
ing of a Waters 515 HPLC pump, Shimadzu RF10AXL flu-
orescence detector (390 nm excitation, 490 nm emission,
15 nm bandpass), and a Beckman Ultrasphere ODS 
(5 µm, 4.6 mm ¥15 cm) reversed phase HPLC column,
was similar to that described previously (Vaughan and
Blough, 1998). Chromatographic separations were per-
formed isocratically, using a mobile phase of 70% meth-
anol/30% sodium acetate (50 mM, pH 4.0), at room 
temperature with a flow rate of 1 mL/min and a 50 ml in-
jection loop. A Shimadzu RF10AXL fluorescence detec-
tor (15 nm bandpass) with a 1 cm cuvette was used to
measure natural water fluorescence and hydrogen perox-
ide. Fluorescence intensity (F) was measured (350 nm
excitation, 450 nm emission) relative to a quinine sulfate
standard (10 ppb in 0.1 N H2SO4) and is reported in nor-
malized fluorescence units (NFU) where 1 ppb quinine
sulfate is defined as 1 NFU (Hoge et al., 1993).

Analytical methods
Photochemically produced hydrogen peroxide was quan-
tified using an adaptation of the POHPAA method (Kok
et al., 1986; Miller and Kester, 1988). After irradiation,
fluorometric reagent was added so that the samples con-
tained 10 mM tris buffer, 100 µM POHPAA, and 400
mg/L horseradish peroxidase. The sample was adjusted to
pH 11 with sodium hydroxide and H2O2 was quantified
by fluorescence (315 nm excitation, 420 nm emission).
To correct these measurements for the natural fluores-
cence of CDOM, calibration samples were prepared by
adding H2O2 to unirradiated Satilla River water. Blanks
consisted of unirradiated Satilla River water containing
the fluorometric reagent and correspond to the amount of
H2O2 present in the unirradiated water. Because Satilla
River water is highly colored, it was necessary to correct
the H2O2 results for the loss in background fluorescence
over the irradiation period (compared to the unirradiated
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standards). The production of photoreduced iron (Fe(II))
was measured using the ferrozine method (Stookey,
1970; Voelker and Sulzberger, 1996). The measurement
was made immediately to prevent interference due to
post-irradiation changes in Fe(II) concentrations. For de-
termination of total Fe, a reducing agent (hydroxylamine
hydrochloride) and ferrozine were added to the sample.
The sample was then heated to boiling for 10 minutes to
allow for complete reduction of Fe(III). After cooling, ac-
etate buffer was added and absorbance was measured at
562 nm. Blanks consisted of Nanopure®-purified water
containing ferrozine. Standards were prepared by dilution
of ferrous ammonium sulfate. Determination of total iron
in the August 99 sample was done using the phenanthro-
line method (Clesceri et al., 1998).

Photochemical ∑OH production was determined using
the chemical probe system developed by Vaughan and
Blough (1998). This method employs the reaction be-
tween ∑OH and dimethyl sulfoxide (DMSO, kOH, DMSO =
6.6 ¥ 109 M–1 s–1 (Buxton et al., 1988)) to quantitatively
produce a methyl radical (Eberhardt and Colina, 1988)
which then reacts with an amino-nitroxide (3AP) (Kieber
and Blough, 1990; Blough and Simpson, 1988; Kieber et
al., 1992; Johnson et al., 1996) to produce a stable O-
methylhydroxylamine. Following derivatization with flu-
orescamine, the O-methylhydroxylamine adduct is sepa-
rated by reversed phase HPLC and quantified fluoromet-
rically. For quantitative ∑OH measurements, a methyl
radical adduct standard was prepared via the Fenton reac-
tion and the fluorescence response calibrated by methods
described previously (Vaughan and Blough, 1998; Li et
al., 1997). ∑OH production rates measured under aerobic
conditions were corrected for the presence of dioxygen
([O2] ª 250 µM) which competes with 3AP for the methyl
radical (Vaughan and Blough, 1998). Samples for ∑OH
analysis contained 30 mM DMSO and 250 µM 3AP. All
dioxygen-depleted samples were bubbled with nitrogen
for 5 minutes prior to irradiation, and the samples re-
mained sealed during the irradiation. After irradiation, an
aliquot of sample (50 µL –1 mL) was adjusted to pH 8.0
with borate buffer, followed by derivatization with 100
mL of 10 mM fluorescamine. It is important to note that
this method quantifies cumulative ∑OH production over
the course of the irradiation. This differs from measure-
ment of Fe(II) and H2O2 concentrations, which result
from the interaction of several competing reactions. In
addition, it has been recently found that in addition to
trapping free ∑OH, this technique also quantifies hydrox-
ylating intermediates (Pochon et al., 2002). Therefore, in
this paper, all reported values for ∑OH production include
both free ∑OH and any species capable of transferring
∑OH. Experimental error was determined as the standard
deviation of replicate measurements.

In order to compare results for different water sam-
ples, light screening factors (SF) were used to correct ob-

served ∑OH formation rates (Robs , M s–1) for differences
in inner filtering effects during irradiation according to
the following equations (Zepp, 1982; Hu et al., 2002):

Robs
Rcorr = 7 (8)

SF

1 – 10–Al

SF = 88 (9)
2.303(Al)

where Rcorr is the corrected production rate (M s–1) and Al

is the absorbance at the irradiation wavelength. For a light
source similar to solar irradiance, the maximum spectral
overlap between the light source and the action spectrum
for ∑OH photoproduction was close to 330 nm and so the
SF for broadband irradiations in the solar simulator was
approximately computed using average absorbance at
330 nm during the irradiation. 

Irradiation conditions
Two irradiation systems were used during the course of
these experiments (a monochromatic light source and a
solar simulator broadband light source). For the mono-
chromatic system, the output of a 1000 W Xe arc lamp
was passed through a Spectral Energy Corp. monochro-
mator, set to a bandpass of 6.6 nm, and directed onto a 
1 cm quartz cell containing 3 ml of the sample solution.
Light intensities were measured using a Optronics Model
730A spectroradiometer, calibrated using a valerophe-
none actinometer (40 µM) at 308 nm for 30 minutes to 
1 hour (Zepp et al., 1998). Apparent quantum yields for
∑OH production at wavelength l (FOH, l) were calculated
using the following equation:

ROH, lFOH, l = 802 (10)
Il (1–10–Al)

Where ROH, l is the rate of ∑OH production (in molecules
cm–3 s–1), Il is the number of photons of light that enter the
system per unit volume and unit time, and Al is the initial
absorbance of the solutions at the irradiation wavelength.
As a further check of proper lamp calibration, the quan-
tum yield for photochemical ∑OH formation by nitrite was
determined. Quantum yield values for ∑OH production by
nitrite (1 mM in borate buffer, pH 8) were determined
(FOH ,308 = 0.087 ± 0.004 dioxygen-depleted; = 0.074 ±
0.004 aerobic) and are in agreement with those deter-
mined previously (F308 = 0.071 ± 0.009 (Zellner et al.,
1990) and FOH, 308 = 0.062 ± 0.005 (dioxygen-depleted);
0.059 ± 0.005 (aerobic) (Vaughan and Blough, 1998)).

Broadband irradiations were carried out in an Atlas
Suntest CPS solar simulator employing a Xe lamp. Sam-
ples were irradiated in a 1 cm quartz cuvette containing
3 ml of sample or in filled quartz tubes immersed in a
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constant temperature water bath (25°C). The spectral ir-
radiance for this system was measured using an Optron-
ics Model 750 spectroradiometer and has been reported
elsewhere (Moran et al., 2000; Miller et al., 2002). The 
irradiance was close to that observed under mid-after-
noon sunlight on a clear July day in Athens Georgia,
USA (latitude 34oN).

Results and discussion

Evidence of photo-Fenton produced ∑OH
To determine if ∑OH was being produced through the
photo-Fenton reaction in Satilla River water, cumulative
concentrations of ∑OH were measured under aerobic and
dioxygen-depleted conditions (Fig. 1). Results indicated
that ∑OH photoproduction was more rapid in the aerobic
system. This result is consistent with the reactions that
were previously discussed. In the presence of dioxygen,
O2

∑– is produced (reaction 6), presumably from one elec-
tron transfer from species present in natural waters such
as, reduced metals (Moffett and Zika, 1983) or humic
substances (Cooper and Zika, 1983). H2O2 is then formed
from the disproportionation of O2

∑– (reaction 7). It is as-
sumed that photochemical H2O2 production was minimal
under dioxygen-depleted conditions. Because H2O2 is in-
volved in the photo-Fenton reaction, the difference be-
tween aerobic and dioxygen-depleted ∑OH production
should yield the contribution due to the photo-Fenton re-
action alone, assuming that there are no differences in di-
rect ∑OH production from CDOM under aerobic and
dioxygen-depleted conditions. A comparison of total
(aerobic) and non-photo-Fenton (dioxygen-depleted)
produced ∑OH in Figure 1 indicates that the photo-Fenton
reaction is responsible for at least 70% of total ∑OH pro-
duction in Satilla River water. Because dioxygen likely
was not completely removed from the water sample by
the nitrogen saturation technique used here, it is possible
that an even higher fraction of ∑OH photoproduction is at-
tributable to photo-Fenton chemistry than is indicated by
the data in this figure. 

Additional experiments were conducted to obtain
more information about the interrelationship between
∑OH production rates and changes in Fe(II) and H2O2 con-
centrations in the Satilla water samples. Photoproduction
rates of ∑OH (ROH, M s–1) were computed for various time
intervals using the aerobic data in Figure 1. The rates were
with measured concentrations of Fe(II) and H2O2 in the ir-
radiated water sample. The ∑OH production rates were
dependent upon both Fe(II) and H2O2 as production ini-
tially increases at a faster rate while Fe(II) and H2O2 build
up (Fig. 2). After about 25 minutes of total irradiation
time, the H2O2 concentration and the ∑OH photoproduc-
tion rate have considerably dropped back from their max-
ima but still have not reached steady-state. After longer ir-

radiation times, cumulative ∑OH production increased 
linearly with time, indicating that steady-state has been
reached (Fig. 3).

To further investigate the importance of the photo-
Fenton reaction in Satilla River water, the effects of
adding Fe(III) complexing ligands were investigated.
Fluoride and DFOM, two ligands that strongly complex

Figure 1. Cumulative photochemical production of ∑OH under aer-
obic (▼) and dioxygen-depleted (�) conditions. For ∑OH measure-
ment, samples contained 250 µM 3AP and 30 mM DMSO. All sam-
ples were irradiated in a 1 cm quartz cuvette in the solar simulator.
A light screening factor was employed to correct for inner filter 
effects (eq. 9).

Figure 2. Concentrations of Fe(II) (●) and H2O2 (▼) compared to
photoproduction rates of ∑OH (�) in irradiated Satilla River water.
For determination of H2O2 and Fe(II), samples containing filtered
Satilla River water (August 1999) were irradiated and then reagents
were added for analysis. The ∑OH photoproduction rates were com-
puted from the aerobic data shown in Figure 1. A light screening
factor was employed to correct for inner filter effects (eq. 9). All
samples were irradiated in a 1 cm quartz cuvette in the solar simu-
lator. Sample conditions were identical to those in Figure 1.
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Fe(III) (Hudson et al., 1992; Morel and Hering, 1993)
were added with the intent of eliminating the photo-Fen-
ton pathway by inhibiting Fe photoreduction through the
formation of unreactive Fe(III) complexes (Gao and
Zepp, 1998). Addition of DFOM to Satilla River water
resulted in a significant (76%) reduction in photochemi-
cal ∑OH production while fluoride caused a decrease of
less than 10% (Fig. 3). The degree of retardation by
DFOM was closely consistent with the effects of dioxy-
gen that were discussed earlier; both results were consis-
tent with the hypothesis that a large fraction of the ∑OH
photoproduction resulted from the photo-Fenton reac-
tion. However, if the retarding effect were solely attribut-
able to formation of unreactive Fe complexes, then 
the much greater effectiveness of DFOM compared to
fluoride is not readily explicable. Other possible expla-
nations for the retarding effect of these Fe(III) ligands on
∑OH photoproduction involve scavenging of ∑OH by the
additives and/or inner filter effects caused by changes 
in light absorption by the added ligands and their Fe 
complexes.

(1) ∑ OH scavenging-DFOM does react rapidly with ∑OH
(kOH, DFOM = 1.3 ¥ 1010 M–1s–1 (Hoe et al., 1982)), and,
in comparison, fluoride is stable to attack by ∑OH.
Thus, the greater inhibition of detectable ∑OH by
DFOM could be attributable in part to more efficient
∑OH scavenging by this ligand. However, given the
fact that the DFOM concentration was much lower

than that of DMSO used in the ∑OH detection system,
it is unlikely that DFOM scavenging had a significant
effect on our results. This was confirmed by conduct-
ing a control experiment in which nitrite photolysis
was used as the source of ∑OH. With nitrite as the ∑OH
source, 0.100 mM DFOM (or 0.100 M fluoride) had
no detectable interference with the ∑OH detection sys-
tem used here. 

(2) Inner filter effects – The Fe(III)-DFOM complex 
absorbs at wavelengths >280 nm in the UV-visible re-
gion, whereas Fe(III)-fluoride complexes have no ab-
sorption in this spectral region. Thus, the greater in-
hibition of ∑OH photoproduction by DFOM poten-
tially could be caused by more effective light
screening by its complex with Fe(III). However, the
maximum contribution of the Fe(III)-DFOM complex
to absorption coefficients in the 280–350 nm region
was < 0.02 cm–1, or less than 5% of the absorption co-
efficients of the Satilla River water in this photo-
chemically active UV region. Thus, the Fe(III)-
DFOM complex had only minimal inner filter effects
on photoproduction of OH radicals. Likewise, addi-
tion of 0.100 M fluoride only slightly reduced the ab-
sorption coefficients of the Satilla River water sam-
ples at wavelengths >280 nm, indicating little effect
of added fluoride on inner filtering. The minimal 
effects of added fluoride on the Satilla absorption
spectra indicate that Fe(III) absorption only made a
small contribution to UV-visible light absorption in the
samples.

Based on these considerations, we conclude that neither
differential ∑OH scavenging or inner filter effects can ac-
count for the differences in effects of these Fe chelating
ligands on ∑OH photoproduction in this system. Although
both fluoride and DFOM inhibited ∑OH photoproduction,
there were differences in the quantitative effects that will
require additional experiments to explain.

In the absence of added Fe(III) ligands, H2O2 and
Fe(II) reached steady-state concentrations of approxi-
mately 1.8 and 2.2 mM respectively, after about 30 min-
utes of irradiation (Figs. 4 and 5). Addition of fluoride 
effectively eliminated Fe(II) production while H2O2 ac-
cumulated to more than 5 mM in four hours (Figs. 4 and
5). Iron was also complexed in the presence of DFOM
and the Fe(II) concentration remained below 1 µM during
the irradiation period (Fig. 5). Oxidation of DFOM by
horseradish peroxidase (Morehouse et al., 1987) pre-
vented the determination of H2O2 in the sample contain-
ing DFOM by the method used in this study. These re-
sults indicate (in agreement with the dioxygen-depleted
experiments) that the photo-Fenton reaction is responsi-
ble for a significant amount of the ∑OH produced in
Satilla River water. 

Figure 3. Photochemical production of ∑OH in Satilla River water
(March 2001) (▲), Satilla River water containing 0.100 M fluoride
(�) and Satilla River water containing 0.100 mM DFOM (●). For
cumulative ∑OH measurement, samples containing 30 mM DMSO
and 250 µM 3AP were irradiated in quartz tubes in the solar simu-
lator under aerobic conditions. ∑OH production rates (corrected 
by SF) are 0.43 nM/s in Satilla River, 0.39 nM/s with fluoride, and
0.10 nM/s with DFOM.
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Wavelength dependence of the quantum yield
The wavelength dependence of the apparent quantum yield
for photo-Fenton produced ∑OH was determined from
equation 10. Using monochromatic light, Satilla River wa-
ter samples were irradiated at 300, 310 and 320 nm under
aerobic and dioxygen-depleted conditions for 1–2 hours
(Fig. 6). In early monochromatic experiments, 5 mM
phosphate (pH 5) was used to buffer the water samples.
However, when unbuffered samples (pH 6) were irradi-

ated, similar ∑OH production rates were observed. Fe(II)-
phosphate complexes have been found to react with H2O2

to produce ∑OH (Blough, personal communication). Be-
cause phosphate complexation of Fe(III) can potentially
influence Fenton chemistry (Moffett and Zafiriou, 1993;
Gao and Zepp, 1998), unbuffered solutions were used for
all remaining experiments.

The wavelength dependence of ∑OH photoproduction
has been determined, to a limited extent, in coastal sea-
water samples and SRFA (Mopper and Zhou, 1990;
Vaughan and Blough, 1998). The apparent quantum
yields for Satilla River water in the 300 – 320 nm spectral
region (Fig. 6) were about an order of magnitude higher
than that observed for SRFA (Vaughan and Blough,
1998). Because it is a DOM isolate, SRFA is considered
to be a known “organic” source of ∑OH. Yet, even for this
organic source, some of the total ∑OH formation (< 50%)
may be due to the photo-Fenton reaction (Vaughan and
Blough, 1998). Southworth and Voelker (2003) found
that the addition of DFOM to SRFA reduced ∑OH photo-
production. While, as suggested, some of this reduction
observed with the ∑OH measurement system used by
(Southworth and Voelker, (2003) may have been due to
competitive scavenging of ∑OH (or other reactive tran-
sients) by DFOM, the exchange of iron associated with
SRFA to DFOM may also have occurred, thus reducing
∑OH production by the photo-Fenton reaction. The close
proximity of these iron complexes to the photoproduced
H2O2 (within the DOM matrix) may enhance ∑OH pro-
duction by the photo-Fenton pathway under conditions

Figure 4. Buildup of H2O2 on irradiation of Satilla River water
(March 2001) (●) and Satilla River water containing 0.100 M fluo-
ride (�). Samples were irradiated in quartz tubes in the solar simu-
lator under aerobic conditions.

Figure 6. Apparent quantum yields for ∑OH production in Satilla
River water under aerobic (�) and dioxygen-depleted (▲) conditions.
Samples contained 5 mM phosphate buffer (pH = 5), 250 µM 3AP, 30
mM DMSO, and Satilla River water (August 1999) diluted to 7 mg
C/L. Samples were irradiated for 1 hr by monochromatic radiation.
The incident irradiance for these experiments was 0.22 mW/cm2 at
300 nm, 0.30 mW/cm2 at 310 nm, and 0.44 mW/cm2 at 320 nm.

Figure 5. Photochemical production of Fe(II) in Satilla River wa-
ter (March 2001) (◆), Satilla River water containing 0.100 M fluo-
ride (�) and Satilla River water containing 0.100 mM DFOM (�◆  ).
Samples were irradiated in quartz tubes in the solar simulator under
aerobic conditions.
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(low iron and H2O2 concentrations) where it otherwise
would not be important.

Because there are several mechanisms for ∑OH pro-
duction in natural water samples, it is difficult to deter-
mine the individual contributions of each pathway to 
apparent quantum yield values. However, differences in
the wavelength dependence and magnitude for various
samples may indicate the involvement of different ∑OH
production pathways. For example, the wavelength de-
pendence of ∑OH production in Biscayne Bay water is
likely representative of OH production from photolysis
of CDOM as this is the major process involved in this
water body (Mopper and Zhou, 1990). This differs from
the wavelength dependence observed for SRFA
(Vaughan and Blough, 1998) and Satilla River water
(Fig. 6), especially for wavelengths less than 310 nm
where Mopper and Zhou saw a dramatic increase in
quantum yield with decreasing wavelength. This perhaps
indicates a different mechanism for ∑OH production in
SRFA and Satilla River water as compared to Biscayne
Bay water (i.e., the photo-Fenton reaction). Aside from
being more efficient at the wavelengths studied, the
quantum yield spectrum for Satilla River water is similar
to that observed for SRFA. Both show a maximum at 310
nm for ∑OH production under aerobic conditions as well
as a maximum for the difference between aerobic and
dioxygen-depleted production. This suggests that the
photo-Fenton reaction is most efficient at 310 nm. Ap-
parent quantum yield values were determined at 310 nm
over different irradiation times (Table 1). Despite an ini-
tial enhancement with irradiation time, there appeared to
be no further increase in the apparent quantum yield for
∑OH production after one hour. Comparison of the dif-
ference in apparent quantum yields for aerobic and
dioxygen-depleted ∑OH production shows that the photo-
Fenton pathway is more efficient in Satilla River water
(4.35 ¥ 10 –4) than in SRFA (5.5 ¥ 10 –5, Vaughan and
Blough, 1998).

Optical properties of CDOM
The electronic absorption spectra of most CDOM show
exponential decreases in the ultraviolet and visible wave-
length ranges (Blough and Green, 1995). In order to char-

acterize the absorption properties of water samples, these
spectra are fit to the following exponential form:

al = al0 e –S(l–l0) (11)

Where al is the absorption coefficient (m–1) at wave-
length l, al0 is the absorption coefficient at reference
wavelength l0 (440 nm), and S is the spectral slope coef-
ficient (from 290–700 nm). S characterizes how rapidly
the absorption decreases with increasing wavelength. 
al is determined from the sample absorbance (Al) and
pathlength (r) (typically in meters) according to the fol-
lowing equation.

2.303 Al
al = 555 (12)

r

The specific absorption coefficient, a*(l) [L (mg org. C)–1

m–1], is the absorption coefficient normalized to the or-
ganic carbon concentration of the sample.

To characterize the bleaching of Satilla River water,
samples were irradiated in the solar simulator for 30 hours.
Absorption coefficients and fluorescence were measured
to determine how the optical properties of the water
change over time. The results were generally similar to
those that have been previously reported for Satilla irra-
diations (Moran et al., 2000). Photobleaching was ob-
served as a decrease in absorption coefficients over the
entire spectrum. A small decrease in S (less than 5% in
30 hours) was observed with increasing irradiation time,
in agreement with previous findings (Gao and Zepp,
1998; Moran et al., 2000). This decrease in S is slightly
more rapid in the visible region (at l > 412 nm where the
slope is smaller). Fluorescence intensity decreased by ap-
proximately 50% after 30 hours of irradiation. This fluo-
rescence loss was roughly first-order, with a bleaching
rate of 1.8 ¥ 10–5 s–1 for the first six hours of irradiation.
In order to begin to look at the possible involvement of
∑OH in the photobleaching of natural waters, the decrease
in absorption coefficients and fluorescence was mea-
sured in several natural water samples with varying ∑OH
production rates. 

∑OH production rates (ROH) were determined for
Satilla River water as well as bleached Satilla River water
and water samples from the New Jersey Pine Barrens,
Mississippi River Plume, and the Florida Keys. These
production rates were found to be within the range of pre-
viously reported values (Table 2). ∑OH production in the
Satilla River water (4 x 10 –10 M s–1) agrees with that
found for other similar waters from the southeastern US,
the Ogeechee River (White, 2000) and the Everglades
(Mopper and Zhou, 1990). The ∑OH production rate in the
New Jersey Pine Barrens sample was very high (10 –9 M
s–1), approaching that observed in waters contaminated
with acid mine drainage (Allen et al., 1996). ∑OH pro-

Table 1. Apparent quantum yields for ∑OH production in Satilla
River water (August 1999) under aerobic and dioxygen-depleted
conditions at 310 nm.

Irradiation time                 Quantum yield            Quantum yield
(min)                                      (aerobic)             (dioxygen-depleted)

30 5.1 ¥ 10–4

60 1.0 ± 0.2 ¥ 10–3 6.5 ¥ 10–4

120 1.2 ¥ 10–3 6.8 ¥ 10–4
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duction in Mississippi River Plume water was on the
same order of magnitude (10 –11 M s–1) as waters from
Biscayne Bay and Vineyard Sound (Mopper and Zhou,
1990) as well as various lakes (Haag and Hoigné, 1985;
Zepp et al., 1987; Mabury, 1993). The Florida Keys sam-
ple had a lower rate of ∑OH production (10–12 M s–1), sim-
ilar to samples from Antarctic waters (Qian et al., 2001)
as well as the Gulf Stream and the Sargasso Sea (Mopper
and Zhou, 1990).

Experimentally determined rates of ∑OH production
were normalized to the absorption coefficient at 350 nm
(a350) in order to directly compare different water samples
(Hu et al., 2002). The results of these bleaching experi-
ments are shown in Table  3 and the changes in absorption
spectra due to irradiation are shown in Figure 7. As with
the Satilla River sample, S decreased upon irradiation of
the Pine Barrens water. These two waters have similar ab-
sorption spectra (Fig. 7). However absorption bleaching
was faster in the Pine Barrens sample. Both of these sam-
ples are highly colored and high in iron. The photo-Fen-
ton reaction is likely to be very important in the Pine Bar-
rens sample (pH 4, 25 mg C/L, 14 mM Fe) especially due
to its low pH. Fluorescence bleaching was much less dra-
matic in the Pine Barrens sample and was found to de-

crease linearly with irradiation time. Despite this lower
loss rate of fluorescence, the Pine Barrens sample had a
very large rate of ∑OH production. The other two samples,
from the Mississippi River Plume and the Florida Keys,
showed a very small increase in S after irradiation. How-
ever the decrease in absorption coefficients for these
samples was comparable to that seen for the water sam-
ples from the Satilla River and Pine Barrens. Bleaching
of fluorescence in the Mississippi River Plume sample
was more efficient than in Satilla River water. Except for
the Mississippi River Plume sample, there is a general
trend that when bleached, samples with larger ∑OH pro-
duction rates experience larger decreases in S (Table 3). S
values for samples with small rates of ∑OH production,
such as the Florida Keys sample, were observed to in-
crease after irradiation. The Mississippi River Plume
sample probably contains a major non-DOM source of
∑OH (most likely, nitrate or nitrite). Therefore, normaliza-
tion of the ∑OH production rate to a350 likely overestimates
the CDOM contribution to ∑OH photoproduction. Based
on these results, it appears that ∑OH may be involved in
the bleaching process and may influence how S changes
due to irradiation. To further explore the importance of
this relationship, it will be useful to examine ∑OH photo-
production and changes in S in additional samples. Dif-
ferent natural water samples do not have the same re-
sponse to photobleaching. In the samples studied here, we
observed small changes in S. However, other studies have
observed different changes in S as a result of irradiation.
For example, Del Vecchio and Blough (2002) saw larger
increases in S for SRFA and Delaware Bay water. The ob-
served differences in the change in S of various samples
suggest that the photobleaching of all natural water sam-
ples may not be the same. However, given the complexity

Table 2. Reported rates of ∑OH production (ROH) for various nat-
ural water samples.

Study Water sample ROH (M s–1)

This study Satilla River 4.5 ¥ 10–10

Satilla River (bleached) 2.0 ¥ 10–10

Pine Barrens 1.7 ¥ 10–9

Mississippi River Plume 6.2 ¥ 10–11

Florida Keys 4.3 ¥ 10–12

Qian et al., 2001 Weddell Sea 1.04 ¥ 10–12

Crystal Sound 1.03 ¥ 10–12

Paradise Harbor 1.60 ¥ 10–12

White, 2000 Wetland on Lake Erie 2 – 6 ¥ 10–10

SRFA 0.6 ¥ 10–10

Artificial agricultural 2.3 ¥ 10–10

wetland
Ogeechee River 2.4 ¥ 10–10

Allen et al., 1996 Surface waters 4.4 ¥ 10–9

contaminated with acid – 7.4 ¥ 10–8

mine drainage

Mabury, 1993 Rice Field water 6.4 ¥ 10–11

Clear Lake 4.6 ¥ 10–11

Lake Tahoe 2.2 ¥ 10–11

Mopper and Zhou, 1990 Sargasso Sea 2.8 ¥ 10–12

Gulf Stream 3.1 ¥ 10–12

Biscayne Bay 2.9 ¥ 10–11

Vineyard Sound 2.65 ¥ 10–11

Everglades 4.20 ¥ 10–10

Zepp et al., 1987 Greifensee 2.5 ¥ 10–11

Nitrate-rich shallow 1.8 ¥ 10–13

water body
Haag and Hoigné, 1985 Greifensee 1 ¥ 10 –11

Figure 7. Absorption spectra of Pine Barrens (▲), Satilla River
(■), Florida Keys (●), and Mississippi River Plume (◆) water, be-
fore and after (open symbols) 18 hours of broadband irradiation.
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of CDOM and the resulting photochemistry when
CDOM is irradiated with polychromatic light, it is diffi-
cult to isolate the mechanism responsible for photo-
bleaching.

The potential interaction of ∑OH and photobleaching
was investigated by measuring the rate constant for nat-
ural scavenging (kns) of ∑OH by Satilla River water. By
measuring ∑OH production in samples containing a range
of DMSO concentrations, the amount of DMSO needed
to out compete natural ∑OH scavengers can be found. The
kinetics are described by eq. (13):

ROHkp[P]
Rp = 555552 (13)

(kp[P] + kns[ns])

Where Rp (M s–1) is the rate of the reaction of the chemi-
cal probe (e.g., DMSO) with ∑OH, ROH (M s–1) is the hy-
droxyl radical production rate, kp (M–1 s–1) is the ∑OH
scavenging rate constant of the probe (P), [P] is the probe
concentration (M) added to the sample, kns is the ∑OH
scavenging rate constant [L (mg org. C)–1 s–1] of natural
organic scavengers in the water sample, and [ns] is the
concentration of natural organic scavengers (mg org. 
C/L–1). Assuming that the amount of scavengers and the
scavenging rate remain constant, Rp will approach ROH

when kp[P] >> kns[ns]. The probe concentration required
to satisfy this condition can be determined by measuring
∑OH production over a range of probe concentrations.
Taking the reciprocal of equation 13 produces a linear
form of this relation:

1        1             k¢ns                 1
5 = 62 + 664 ¥ 6 (14)
Rp       ROH ROH ¥ kp          [P]

where k¢ns = kns[ns].
Using this method, a value of 1.09 (± 0.07) ¥ 1010

M–1s–1 was determined for the scavenging rate constant

(kOH, NO2) of nitrite. This value is in good agreement with
the reported rate constant of 1.1 ¥ 1010 M–1s–1 (Buxton et
al., 1988). The natural scavenging rate constant (kns), or
rate constant for the reaction of ∑OH with constituents of
the water sample was found to be 2.3 (± 0.3) ¥ 106 s–1 for
the Satilla River water (March 2001). Assuming that the
rate constant quantitatively involves reaction of ∑OH with
the dissolved organic matter, the second order rate con-
stant for ∑OH with Satilla DOM is 1.1 (± 0.15) ¥ 105 L
(mg org. C)–1 s–1. This value is within a factor of 2 of the
range of second order rate constants that have been re-
ported by others for reaction of ∑OH with DOM (South-
worth and Voelker, 2003). The rate of photochemical ∑OH
production for this Satilla River water sample was 0.31 
(± 0.02) nM s-1. After bleaching (by broadband irradia-
tion for 18 hours), both the rate of ∑OH production and 
the natural scavenging rate constant decreased to 0.15 
(± 0.01) nM s-1 and 1.6 (± 0.2) ¥ 106 s–1 respectively.
When corrected by the screening factor and normalized
to a350 , this corresponds to a 38% decrease in ∑OH pro-
duction and a 14% decrease in the ∑OH scavenging rate
constant.

Conclusions
The results presented here show that the high rate of pho-
tochemical ∑OH formation in Satilla River water 
(0.4 nM s–1) is largely due to the involvement of the
photo-Fenton reaction. 
Our findings suggest that this mechanism for ∑OH pro-
duction also is important in other iron-rich natural waters
that are mildly acidic. For example, waters which receive
acid mine drainage will likely have high steady-state ∑OH
concentrations due to photo-Fenton production (Allen et
al., 1996; McKnight et al., 1988). In waters with high
rates of ∑OH photoproduction it seems likely that ∑OH
may play a significant role in the photoreactions of
CDOM and aquatic pollutants. 

Table 3. Optical properties and rates of photochemical bleaching and ∑OH production in natural water samples. Samples were irradiated
for 18 hours (the Florida Keys sample was irradiated for 20 hours) in the solar simulator. Bleaching rates were determined for decreases in
absorption coefficients (ka) and fluorescence (kf) at 350 nm over the first six hours of irradiation. ∑OH production rates (ROH*), based on
measurements taken over a four hour irradiation period, have been corrected by the screening factor and normalized to a350 . †Bleaching of
fluorescence in the Pine Barrens sample was zero order with a bleaching rate of 2.9 ¥ 10 –4 NFU s–1.

Sample S DS a                    ka Da F kf DF ROH*
(m–1) (s–1) (%) (NFU) (s–1)     (%) (¥ 10–11 M s–1 m)

Satilla 0.0155 –0.00036 55.2 6.8 ¥ 10 –6 –27 124.8 2.6 ¥ 10–6 –53 0.81 ± 0.06

Satilla 0.0151 40.5 70.1 0.50 ± 0.04
(bleached)

Pine Barrens 0.0156 –0.00053 78.5 1.0 ¥ 10 –5 –38 128.0 † –25 2.2 ± 0.2

Mississippi 0.0171 0.00023 5.7 1.1 ¥ 10–5 –50 31.3 4.9 ¥ 10–6 –71 1.09 ± 0.08
River Plume

Florida Keys 0.0140 0.00030 1.07 –36 3.18 0.4
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