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GLOBAL CHANGE AND RIVER ECOSYSTEMS

Foreword: Global change and river ecosystems—
implications for structure, function, and ecosystem services

Sergi Sabater • R. Jan Stevenson

Published online: 22 September 2010

� Springer Science+Business Media B.V. 2010

Rivers around the world are threatened by changes in

land use, climate, hydrologic cycles, and biodiversity.

These changes originate from economic and social

processes, which can be collectively considered as

drivers of global change. Among the most relevant,

global changes in rivers are expressed as water flow

interruptions, elevated temperatures, loss of hydro-

logical connectivity, higher water residence times,

increased nutrient and sediment loads, exposure to

new chemicals, simplified physical structure, greater

exposure to invasive species, and biodiversity losses.

Most of these are not occurring independently, but

mostly as combined or multiple interacting factors.

All of them affect structure (e.g., number and identity

of taxa or biomass) and functioning of the river

ecosystems (e.g., productivity, use of organic matter,

processing efficiency). Hence, these effects result in a

loss or malfunction of the ecosystem services that

rivers provide.

Understanding the responses of river ecosystems

and the services they provide is essential for human

well being in all regions of the planet. Rivers provide

benefits to human well being with food from fisheries

and irrigation, by regulating biogeochemical balances

and enriching our esthetic and cultural experience.

Predicting responses of rivers to global change is

challenged by the complexity of interactions among

these man-made drivers across a mosaic of natural

hydrogeomorphic and climatic settings.

This special issue will explore the broad range of

determinants defining global change and their effects

on river ecosystems. We used a simple conceptual

model of global change to delineate the breadth of

topics for this special issue for river ecosystems and

to provide variables around which the papers can be

organized. The growing human populations as well as

political, economic, and social processes are chang-

ing human activities at global scales. The resulting

pollutants, habitat alterations, and climate change

affect the structure, function, and services of river

ecosystems in ways that vary greatly among naturally

defined hydrogeomorphic and climatic regimes

around the world. We do not intend to have an

encyclopedic coverage of all topics possible. Instead,
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we asked authors for insightful treatments of specific

topics that relate to the broader theme of global

change regulation of river ecosystems.

We invited authors from different ecoregions

around the world to submit contributions on the list

of hypotheses that emerged from our conceptual

model. We asked for overarching papers that related

human drivers of land use and climate change to the

structure and/or functioning of river ecosystems and

also asked for papers dealing with specific pollutant,

habitat alteration, and climate change effects in

rivers. We asked for studies from biomes around

the world and for different groups of organisms. We

also sought papers that dealt directly with application

of science in developing environmental policy. With

this special issue of Hydrobiologia, we expect to

advance frameworks for generating, synthesizing,

and applying river science, as well as examples of

that science, which will guide future river research

and thereby preserve ecosystem services.
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GLOBAL CHANGE AND RIVER ECOSYSTEMS

Understanding effects of global change on river ecosystems:
science to support policy in a changing world

R. Jan Stevenson • Sergi Sabater

Received: 11 June 2010 / Accepted: 18 July 2010 / Published online: 17 August 2010

� Springer Science+Business Media B.V. 2010

Abstract The generation of scientific knowledge to

inform environmental management is crucial with

current rates of global change. Although ecology and

river science in particular have advanced greatly in

the last 40 years, gaps remain between what we know

and what environmental managers need to know to

protect and restore aquatic resources. We argue that

detailed quantitative relationships among human

activities, contaminants, habitat alterations, and eco-

system services are needed to fill many of these gaps.

Given that detailed research efforts cannot be

conducted on all water bodies of the planet, scientists

need to develop methods for transferring these global

change relationships (models) from one system and

region to another. Complexity in global change

relationships is caused by natural variation among

rivers and variation among responses to human

activities. We propose resolving this complexity with

a set of guiding principles intended to facilitate

transfer of knowledge learned in one river or region

to another. The ecology of disturbance provides the

theoretical framework for predicting effects of human

activities on rivers as well as management activities.

Predicting river responses to human activities is

challenged by the diversity of contaminants and

habitat alterations associated with these activities,

but predicting effects of human activities can be

improved by recognizing: similarities in sets of

stressors within classes of human activities; similar-

ities in how different stressors affect rivers; and

distinguishing effects of stressors having direct

versus indirect regulation of ecosystem services.

Geology and climate are key variables for predicting

ecological response to human activities because they

regulate the natural variation in river structure and

function as well as the human activities and corre-

sponding sets of stressors in watersheds. Transferring

relationships among systems can be facilitated by

emphasis on direct rather than indirect relationships

and developing predictions of how geology and

climate regulate direct relationships in global change

ecology. These guiding principles for predicting

effects of human activities should be tested and

refined to resolve complexity and to manage ecosys-

tem services, which will emerge as an important

currency for global assessment of ecosystems.
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Introduction

Rivers around the world are threatened by socioeco-

nomic drivers that degrade environmental conditions

by altering land use and climate, thereby affecting

hydrology and water quality. Approximately 40% of

the earth’s surface is occupied by croplands and

pastures (Ramankutty & Foley, 1999; Asner et al.,

2004; Foley et al., 2005). Phosphorus and nitrogen

fertilizer use have increased two- and seven-fold,

respectively and irrigated cropland has increased

100% during the last 40 years (Tilman et al., 2001).

The continued increase in population, global devel-

opment of economies, and migration of people from

rural to urban locations will increase the demand for

food production and transportation as well as the

intensity of alterations of urban ecosystems (Grimm

et al., 2008). Global pressures on water resources are

on the rise (Oki & Kanae, 2006) for hydropower,

flood control, and water supply, which today traps

15% of the world’s total runoff (40,000 km3 year-1)

in 45,000 large dams (Nilsson et al., 2005). These so

called land use changes have and will continue to

alter hydrology, habitat availability, nutrient and

sediment inputs to rivers (Sabater, 2008) as well as

toxic chemicals that have unknown effects on tens of

thousands of species (Schwarzenbach et al., 2006;

Sumpter, 2009).

Climate change is predicted to increase air

temperature and extreme weather events as well as

alter spatial patterns in precipitation and runoff

(Milly et al., 2005). The Intergovernmental Panel

on Climate Change (IPCC) predicts continued

increases in greenhouse gases will push global

temperatures higher by 2–4.5�C in the next 50 years

(Solomon et al., 2007). Rates of river warming in

the United States (US) range from 0.009 to

0.077�C year-1, with greatest increases in urban

areas (Kaushal et al., 2010). The IPCC (Bates et al.,

2008) also indicated that annual average river runoff

might increase by 10–40% at higher latitudes and

decrease by 10–30% over some dry regions. Thus,

climate change will increase flood and drought

frequencies, alter stream geomorphology and habitat

availability, as well as increase water temperature,

sediments, and nutrient concentrations (Baron et al.,

2002; Sabater & Tockner, 2010).

Land use and climate, in conjunction with geology,

are the ultimate determinants of hydrology and water

quality, thereby acting as the primary drivers of

change in structure and function of rivers (Leopold

et al., 1964; Dunne & Leopold, 1978; Stevenson,

1997a; Alcamo et al., 2007). Rivers provide direct

benefits to human well being (sensu Millennium

Assessment, 2005) by regulating biogeochemical

cycles, supplying water for drinking, industrial, and

irrigation purposes, fisheries production, and enrich-

ing our aesthetic and cultural experience (Postel &

Carpenter, 1997; Palmer et al., 2009). Thus, predicting

response of rivers to global change, i.e., the combi-

nation of land use and climate change, is critical for

managing aquatic resources, ecosystem services, and

human well being.

Predicting responses of rivers to global change is

challenged by the complexity of interactions among the

diversity of man-made stressors across a worldwide

mosaic of natural hydrogeomorphic and climatic

settings. In addition, management targets vary across

cultures, socioeconomic gradients, and geoclimat-

ic regions. However, basic theory and ecological

relationships may be relatively transferable among

regions. By combining first principles with a place-

based approach, complexity of the global change

problems in rivers could be managed to develop an

understanding of the major threats to rivers and to

design strategies for protection or restoration.

The overarching goal of this paper is to facilitate

the generation and transfer of the scientific informa-

tion needed to manage rivers in a changing world.

This paper reviews the major issues of global change

in river ecosystems and the types of science needed to

support environmental policy. We start with a review

of the tools needed by aquatic resource managers and

the kinds of information used to develop these tools.

We then relate the information that most ecological

scientists generate to results needed to inform man-

agement tools. In addition, we propose a set of

generalities that enable broad application of scientific

information, including ecological concepts and

theory as well as rules for transferring information

learned in one ecosystem to another. The papers in

this special volume are invited contributions that

address specific sets of issues and advance our

understanding of global change effects on river

4 Reprinted from the journal
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ecosystems. These papers will be referenced through-

out our paper.

Integration of science into water policy

Rivers are managed throughout the world, but often

with different goals and for immediate benefits.

Aquatic resource managers should ask three basic

questions (Stevenson et al., 2004). Does a problem

exist in the river? What is causing the problem? How

can we fix the problem? Problems are generally

defined as rivers not meeting expectations of their

management (often referred to as uses in government

regulations), whether within the river system itself or

downstream, where effects of a poorly managed river

can be manifested. Expectations for management

may include water supply for drinking, industry, and

irrigation, recreation, fisheries production, and sup-

port of biodiversity. In the US, observed ecological

conditions are compared to water quality standards to

determine whether a water body is meeting its use.

Statutory requirements for European waters circum-

scribed by the European Union (EU) Water Frame-

work Directive (European Commission, 2000) as well

as the US demand the cause of the problem to be

diagnosed. In most cases, when the cause of problems

is determined, management strategies must be devel-

oped that will reduce contaminants or habitat

alterations (the two herein referred to as stressors)

to levels that will allow restoration of ecological

conditions so uses are met. When possible, managers

strive to avoid degradation, not just restore impaired

ecosystems. So predicting effects of global change on

ecological systems is critical.

Whether developing water quality criteria, diag-

nosing stressors, and forecasting effects of different

management scenarios, detailed quantitative under-

standings are needed for relationships among human

activities, stressors, biological condition, and eco-

system services in rivers (Wiley et al., 2010). We

can call this global change ecology. Historically,

water quality criteria have been used to protect

minimally disturbed condition (sensu Stoddard et al.,

2006). The assumption has been that minimal

disturbance of ecosystems will provide other eco-

system services as well, i.e., ecosystem services and

condition were positively correlated. However, we

know tradeoffs exist among services of agricultural,

urban, and aquatic systems within a watershed

(Fig. 1; Robertson & Swinton, 2005), and they

commonly result in the impairment of aquatic

biodiversity as human uses increase (Hilton et al.,

2006). Given these tradeoffs, aquatic resource man-

agers in the EU and many states of the US defined

different levels of resource protection (Davies &

Jackson, 2006) in different waters, largely based on

the land use in the watershed. These so-called tiered

uses (sensu Davies & Jackson, 2006) typically

provide higher levels of protection for biodiversity

in minimally disturbed waters than if the same

criterion was used for all waters. In addition, tiered

criteria for tiered uses provide incremental restora-

tion goals for impaired waters and appropriate

management goals for watersheds altered extensively

by humans.

Quantitative relationships among ecosystem con-

dition, services, and stressors are important for

establishing stressor criteria. Thresholds in ecological

response along stressor gradients are increasingly

being used for developing stressor criteria (Dodds

et al., 1997; Soranno et al., 2008; Stevenson et al.,

2008; Fig. 1). These dose–response-like approaches

are common in ecotoxicology (Suter, 1993), but have

only recently been adopted for the criteria develop-

ment of nontoxic stressors, such as nutrient concen-

trations (Stevenson et al., 2004, 2008) and flow

Fig. 1 Tradeoffs among uses of rivers indicated by hypothet-

ical relationships between a resource stressor (e.g. nutrient

concentrations) and a suite of ecosystem services of water-

sheds: drinking water quality; algal, invertebrate, and fish

biodiversity; fisheries production; and agricultural production.

The vertical lines indicate nutrient criteria that could be used to

protect different uses in different waters

5Reprinted from the journal

Hydrobiologia (2010) 657:3–18

123



regimes to protect biodiversity (Poff et al., 2010).

Thresholds in ecological responses along stressor

gradients delineate specific stressor levels at which

risk of undesired changes dramatically increase. Such

threshold responses are important for developing

stakeholder consensus and support of water policy

(Muradian, 2001).

Quantitative relationships among human activities,

stressors, biological condition, and ecosystem ser-

vices also enable rigorous evaluation of tradeoffs

among ecosystem services and comparisons among

countries in levels of protection. Managing rivers for

their ecosystem services is practiced throughout the

world, but many rivers are managed to generate

energy with hydroelectric dams, flood control, and

water supply rather than their support of biodiversity

and nutrient retention. In part, this is due to great

differences among countries with different cultures,

economic status, and natural resource availability

which affect the valuation of ecosystem services and

relationships to human well-being (Schulze, 2007).

Some tradeoffs among river ecosystem services allow

meeting human needs and substantial ecosystem

conservation. For example, greater fisheries produc-

tion is possible with nutrient concentrations moder-

ately elevated above the natural concentrations

needed to protect biodiversity (Fig. 1). However,

sustainable management of resources for support of

human well-being rather than biodiversity has been

and will likely continue to be the management goal

for many governments. A full accounting of ecosys-

tems services will be important for evaluating fair

trade policies and incorporating ecosystem services

into ecological assessments.

Application of ecological theories and concepts

to global change of rivers

Ecology, the study of interactions among organisms

and their environment, provides theories and con-

cepts that should facilitate application of science to

manage global change (National Research Council,

1986; Jørgensen & Müller, 2000; Collins et al., 2007).

Predictive models of ecological response to environ-

mental change developed rapidly during the philoso-

phical transition from ecology largely being the study

of equilibrium (steady-state) systems to dynamic

systems. Models such as the subsidy-stress

perturbation theory (Odum et al., 1979), the interme-

diate disturbance hypothesis (Grime, 1973; Connell,

1978; Reynolds et al., 1993), and pulse-press distur-

bance models (Bender et al., 1984; Collins et al., 2007;

Smith et al., 2009) provided theories to test across

ecological systems. The succession model of Pickett

et al. (1987) provided a list of factors to consider as

communities reassembled following disturbance.

Fundamentally, we can think of global changes as

disturbances of ecological systems (Odum et al.,

1979; Collins et al., 2007; Smith et al., 2009).

Although rivers require natural disturbance to main-

tain natural structure and function, the disturbances

introduced by humans are often novel in composition,

such as pesticides and pharmaceutical products

(Ricart et al., 2010), or occur at spatial and temporal

scales to which river systems are not adapted, such as

channelization and damming (Nilsson et al., 2005). In

addition, the energy of disturbances can be increased

by humans through combinations of stressors. The

energy associated with disturbances is related to their

intensity and frequency, which are inversely related

(Vitousek, 1994; Margalef, 1997). Thus, high inten-

sity disturbances like earthquakes or huge landslides

are relatively rare. The extreme drought of cold

deserts of some polar regions, intense waves in some

littoral habitats, or siltation in some streams are

examples of high frequency disturbances of medium

magnitude that severely limit biological activity.

Diurnal variations in temperature and light conditions

are examples of disturbances with high frequency and

low intensity to which organisms would be adapted

(Fig. 2). Flood disturbances are examples of rela-

tively high intensity but low frequency disturbances

to which biota are adapted.

Effects of disturbance depend both on the associ-

ated energy as well as on its spatial and temporal

scale (O’Connor & Lake, 1994; Richards et al., 1996;

Stevenson, 1997b) (Fig. 2). Global changes are

generally considered to be press (i.e. chronic stresses

sensu Smith et al., 2009) or ramp (increasing and

chronic; Lake, 2000) disturbances in which exoge-

nous forces cause changes in environmental condi-

tions that last many times the generation times of

organisms in the ecosystem. Agricultural and urban

development, hydrologic modifications, invasive spe-

cies introductions, and temperature increases are

good examples of such long term changes in land

uses and stressor that affect river ecosystems, though

6 Reprinted from the journal
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their associated energy may differ. Thus, river biota

may be resilient to short-term anthropogenic distur-

bances of low magnitude with stressors to which they

have previously been exposed, such as slight nutrient

enrichment with inappropriate agricultural practices

that might occur naturally with flood disturbances.

However, chronic or persistent disturbances by

humans when pressure is continuously maintained

on the ecosystem or when intensity of disturbances is

high will cause significant structural simplification of

the community and loss of resistance as well as

function. With short-term and low intensity anthro-

pogenic disturbance we can expect species adapted to

the new conditions to replace existing species with

the potential that ecosystem functions and some

services can be maintained (Bender et al., 1984;

Stevenson, 1997b). However, high energy distur-

bances undoubtedly cause environmental alterations

to which the biological system cannot respond, adapt,

or recover—thereby resulting in collapse of ecosys-

tem services.

Rivers are relatively unique because they are

asymmetrically linked ecosystems with transport of

energy and materials in a downstream direction,

which forms a predictable succession of ecological

conditions (Vannote et al., 1980). This succession in

conditions differs at scales ranging from the habitat,

reach, and entire watershed (Frissell et al., 1986).

Theories of dissipative structure and stratified stabil-

ity predict hierarchies in ecological systems are more

stable than a random grouping of assemblages

(D’Angelo et al., 1997). The resulting complexity

of the hierarchical structure of the river network may

provide a buffer to disturbances, since refuges for

organisms may be more numerous than in a simple

linear channel system. Refuges and nurseries in riffle-

pool scale habitats or interconnected lakes and

wetlands provide sources of immigrants for recolo-

nization of habitats. Higher productivity and stability

of river ecosystems has been proposed as emergent

properties of this heterogeneity (D’Angelo et al.,

1997; Stevenson, 1997b). Further, hyporheic and

riparian-floodplain compartments are also hierarchi-

cally related to the river channel, since their rele-

vance increase progressively with river size (Burt

et al., 2010). Thus, properties of connectivity, heter-

ogeneity, and stability may increase in a down-

stream direction and may make rivers more resistant

and resilient to global change than other types of

ecosystems.

Stressor classification

Responses of ecological systems to global change are

also highly dependent upon the type of stressor

and combination of stressors (Rapport et al., 1985).

Ecosystem-level responses are highly dependent

upon biological responses, which also vary with

spatial and temporal extent and intensity of the

disturbance (Pickett et al., 1987; Suter, 1993;

Stevenson, 1997b; Smith et al., 2009). Based on

these principles, it is possible to advance a classifi-

cation of stressors (Table 1). Initially, we consider

whether a stressor is a contaminant (in the broadest

sense) or habitat alteration (Level I). The scale of

disturbance both in spatial, temporal, and energetic

dimensions are greater for habitat alterations than

most contaminants. Then, we classify stressors by

whether effects are direct or indirect on the physi-

ology or habitat suitability of the individual (Level

II). In general, contaminants have direct effects, and

habitat alterations have indirect effects of ecological

response. We also classify stressors as resource,

toxic, or complex depending upon the direct effects of

a stressor on an individual organism (Level III).

FREQUENCY

IN
T

E
N

S
IT

Y

Day/night 
variations

DroughtEarthquake SpillLandslides

Fig. 2 The range of disturbance regimes in which biota are

adapted to the intensity and frequency of disturbance. The

inverse relationship between the intensity and frequency of

disturbance (plotted on logarithmic scales) affecting ecosys-

tems is indicated by the solid straight line, which delineates the

range of possible disturbance conditions. Some examples of

disturbances with rising energy and decreasing frequency

(from left to right) are given along the x-axis. The area below

the curve (dashed line) represents the disturbance regime in

which biota are able to adapt to disturbance. Biota are not

resilient or resistant to high-energy disturbances as a result of

either high or medium intensity, with low or medium

frequencies
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Resource stressors (Smith et al., 2009), such as

nutrients, stimulate response of individual metabo-

lism with little negative direct effect; however,

indirect effects as a result of interactions with other

organisms may produce strong negative responses.

Increases in toxic stressors (e.g. heavy metal pollu-

tion, or pesticides) have mostly negative effects on

performance. Complex stressors, such as temperature

and current velocity, may stimulate performance of

organisms at low levels and then, typically due to

other processes, negatively affect performance of

organisms at high levels. Note, few of these relation-

ships are predicted to be linear, which can increase

complexity of system responses to disturbance.

Finally, the energy associated with the stressor can

define a stressor to be reversible or irreversible. In

some cases, the effects of the stressors are limited to

one or several biological classes and this might also

regulate reversibility up to a certain threshold. As

disturbance increases, either in frequency, duration,

or intensity, responses will be expressed at individual,

population, guild, and community levels. Different

stressors potentially have different effects on biolog-

ical response at each of these levels of organization.

When effects of stressors are extended to the whole

ecosystem, mostly as a result of physical as well as

biological alterations, likelihood increases for irre-

versible effects in river structure and function.

While it is beyond the scope of this paper to

review all that we know about these stressors, we

illustrate how classification of stressors can help

predict response of ecosystems to global change by

reviewing stressor effects and explain their classifi-

cation. Even though a resource stressor has a positive

effect on physiology of organisms, ultimate effects

may be negative for the same organism and for the

Table 1 Stressor arranged from top to bottom of the table in relation to their associated energy in the systems, and therefore relation

to disturbances ranging from more transient to more irreversible

Stressor Stressor classification Degree of

reversibility
Level I Level II Level III

Nutrients C Direct Resource BC

Light C Direct Complex BC

Human and animal organic waste C Direct Resource BC

Temperature C Direct Complex BC, WE

Salinity C Direct Complex WE

Acidification C Direct Complex WE

Fine sediments C Direct Toxic WE

Heavy metals C Direct Toxic BC

Pesticides C Diverse Toxic BC

Emergent pollutants

(nanoparticles, pharmaceuticals)

C Diverse Complex BC

Invasive species C Indirect Complex BC

Channel filling HA Direct Complex WE

Current alteration HA Indirect Complex WE

Flow variability HA Indirect Complex WE

Water abstraction HA Indirect Complex WE

Interbasin transfer HA Indirect Complex WE

Impervious surface HA Indirect Complex WE

Channel simplification HA Indirect Complex WE

Dams HA Indirect Complex WE

Level I refers to the scale of disturbance, as whether it is a C contaminant or HA habitat alteration. Level II refers to the direct or

indirect effects being produced by the stressor. Level III classify stressors as resource, complex or toxic. Degree of reversibility

defines the potential effects if limited at one or several biological class/es (BC), instead ofs the whole ecosystem (WE), in a scale of

rising irreversibility
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whole ecosystem. Nutrients (or food availability for

consumers) are the best example of a resource

stressor because they have a positive effect on

metabolism (e.g. of algae and bacteria, or in

consumers), but their increase in concentration may

make the habitat available (sensu Pickett et al., 1987)

for species that require high nutrient concentration

and often have high growth rates (Leira & Sabater,

2005; Manoylov & Stevenson, 2006; Stevenson et al.,

2008). Evidence suggests that these high nutrient

species may competitively displace low nutrient

species (Stevenson et al., 2008). High levels of

nutrient enrichment can stimulate algal and bacterial

biomass accrual to cause habitat alterations, low

dissolved oxygen, and high pH that affects all

organisms, and even impair aesthetics for humans

(Sabater et al., 2003; Suplee et al., 2008; Stevenson

et al., submitted).

Organic wastes can also be considered a resource

stressor because they stimulate productivity of some

bacteria, fungi, and a few algae, directly, as well as

the performance of some invertebrates, indirectly.

Organic wastes cause accumulation of high hetero-

troph biomass but produce great impacts in the

ecosystem because of their role in depleting dissolved

oxygen concentration. Light is a factor that has a

positive effect on photosynthetic rates of primary

producers over a substantial range of intensities,

though should be classified as a complex stressor

because high light can have negative effects on

performance (Hill et al., 1995). Further, light avail-

ability may have implications for the ecosystem

functioning by causing a shift from heterotrophy to

autotrophy when occurring together with higher

nutrient availability (Sabater et al., submitted).

Temperature, salinity, and acidification are direct

stressors on many aquatic organisms, upon which

they have complex effects. All organisms have

optimal performance at some intermediate tipping

point along temperature, conductivity, and pH gradi-

ents. Increases in temperature below optima increase

performance by increasing kinetic energy and meta-

bolic rates, but high temperatures denature enzymes,

reduce enzymatic function, slow metabolic rates,

and alter biogeochemical rates (Hamilton, 2010).

Increases in water temperature will have profound

effects on temperature sensitive organisms, such as

some macroinvertebrates and fish. Warmer waters

and other stresses may increase the possibility of

fungal, viral, and bacterial infections on fish. Increas-

ing temperatures may support eurythermic species

and generalists, resulting in less specialized commu-

nities. Higher temperature may enhance respiration

more than photosynthesis and therefore have impli-

cations for ecosystem processing. Altered thermal

regimes in lakes and rivers, because of climate

change or human action, may have deep impact in

food web structure, particularly in fragile ecosystems

(Perkins et al., 2010). Similarly, optimal metabolic

rates are at very specific conductivity and pH

conditions. An ionic gradient, defined by conductivity

and pH, is often the most important factor regulating

variability in diatom species composition among

rivers (Pan et al., 1996).

Sediment transport has changed significantly as a

result of hydrologic alterations and land use changes

(Syvitski et al., 2005). Increases in fine sediment

accumulation are classified as a toxic contaminant

because performance of most organisms are directly

impaired from increased levels fine sediments on

substrata, even though a few rare taxa may benefit.

For example, a small number of diatom and macr-

oinvertebrate taxa may be adapted to tolerate fine

sediments, but their success in fine sediment habitats

is probably due to the reduction in competition from

species that are not adapted to fine sediments. The

end result is an impairment of biodiversity and many

ecosystem functions with elevated sediments in most

habitats. In contrast, bank stabilization and dams can

reduce downstream sediment availability (i.e. sedi-

ment starvation), thereby altering natural substratum

conditions or increasing stream power (Bridge,

2003). Elevated stream power causes downstream

channel erosion, bank destabilization, or potentially

unnatural increases in river sediment loads. Thus,

alterations in sediment transport, either increases or

decreases from natural channel requirements, can

negatively affect river structure and function. Alter-

ations in sediment provide an excellent example of

how deviations from natural conditions, either

increases or decreases in an environmental factor,

can be considered a stressor on ecosystem structure

and function.

A diverse group of chemical contaminants, heavy

metals, pesticides, pharmaceuticals, and nanoparti-

cles have wide ranging and often complex effects on

biota, which in many cases are still undetermined but

are mostly toxic. Each of these chemicals could have
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direct or indirect effects on different groups of

organisms in a habitat. For instance, heavy metal

effects are cumulative and increase their toxicity after

repetitive pulses (Guasch et al., 2010). Several con-

taminants in this list may also be considered complex

because they have different effects on different

organisms. For example, some herbicides affect algal

growth but indirectly inhibit invertebrates (López-

Doval et al., 2010). Considerable research is needed

to better understand the roles of this diverse group of

contaminants (Sumpter, 2009).

We include invasive species as a biological

contaminant of a habitat, with mostly indirect and

complex effects. Similarly, we could think of stocked

fish and shellfish in a habitat as biological contam-

inants. These organisms seldom have positive bene-

fits on other organisms that naturally occur in the

habitat. Their effects are indirect through competitive

exclusion, habitat alteration, or potentially other

negative biotic interactions. Nutrient enrichment,

temperature change, and habitat alteration are factors

that may facilitate invasion of species (Perkins et al.,

2010) and cause further habitat impairment. If

invading species are keystone species or ecological

engineers, for example Didymosphaenia, Cladopho-

ra, Potamopyrgus, or stocked fish (e.g. brown trout),

dramatic changes in structure and function may occur

with relative small incremental changes in stressors

(Sabater et al., 2005; Stevenson et al., submitted).

Habitat alterations range from filling and straight-

ening river channels to dam building. In some

mountainous mining regions of the US, mined rock

and soils are placed in headwater stream channels

with dramatic direct impacts of biota and downstream

biogeochemical processes (Palmer et al., 2009).

Throughout agricultural landscapes, small headwater

streams are integrated into agricultural fields by

filling and plowing. Reduction and alteration of

riparian vegetation affects the stream hydromorpho-

logical integrity and its biodiversity and ecosystem

functioning (Elosegi et al., 2010). Headwater streams,

comprising a great proportion of drainage networks,

are critical in biogeochemical transformation and

retention of inorganic and organic nutrients draining

from surrounding landscapes (Alexander et al., 2007).

Alteration of natural flows regimes (affecting pat-

terns of current velocity and temporal variability in

discharge) by dams, channel straightening and dredg-

ing, surface and ground water abstraction, interbasin

water transfers, and impervious surfaces are one of

the most widespread and intense (high energy)

disturbances of river ecosystems (Sabater & Tockner,

2010). Seasonal flows fall virtually to zero along

extensive sections and over long periods of the year

in such major rivers as the Yellow River in China (Fu

et al., 2004) and the Colorado and Grande rivers in

the southwestern US (Molles et al., 1998). Climate-

related increases in drought frequency and duration

will reinforce the ever-increasing water abstraction

from rivers and groundwaters by humans, thereby

causing intensification of drought effects on rivers.

Decreases in river discharge are predicted to have

substantial effects on fish biodiversity (Xenopoulos &

Lodge, 2006). Drought constrains species diversity to

short-generation or highly mobile organisms and

limits ecosystem function to shorter periods (Sabater

& Tockner, 2010; Mas-Martı́ et al., 2010).

Loss of hydrological variability resulting from

regulation and abstraction directly affects diversity

(Margalef, 1997). Habitat disturbance, alteration and

loss by channel modification, dredging, and filling

significantly affect biodiversity and ecosystem func-

tioning (Strayer, 2006). In the vast majority of cases,

altering the magnitude, timing, duration, and fre-

quency of flows reduced measures of biological

condition, especially for fish; but in some cases

invertebrates and riparian vegetation responded pos-

itively (Poff & Zimmerman, 2010). Flow regime

regulates algal productivity and food web structure

(Power et al., 1995; Riseng et al., 2004; Stevenson

et al., 2006). Greatest algal biomass can accumulate

in intermediate flow variability, with macroalgae

scoured at high flow disturbance regimes and micro-

algae grazed at low disturbance regimes when primary

consumers accumulate (Stevenson et al., 2006).

A trait-based assessment of species shifts with

global change could improve predictions of responses

of ecological systems and biodiversity to global

change as well as restoration and protection strate-

gies. While the biota in Mediterranean rivers are

better adapted to naturally high seasonal and inter-

annual flow variability (Mas-Martı́ et al., 2010;

Zoppini et al., 2010), biota in more temperate rivers

may be more sensitive to flow reduction. Xenopoulos

et al. (2005) predict loss of fish in rivers based

on discharge requirements by species. Fisheries

managers develop water release strategies for dams

based on species traits which optimize habitat
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conditions for as great a diversity of fish as possible.

This approach could be extended to predict changes

in species composition along many stressor gradients

and forecast how global changes and manage-

ment strategies will affect species composition of

assemblages and ecosystem services in rivers.

Predicting responses of ecological systems can be

facilitated by a more thorough understanding of

individual stressor effects, as advanced in our classi-

fication of stressors, in two ways. First, within regions

with similar land uses, climate, and geology, we can

expect similar suites of stressors to affect river

systems with global change. By knowing generalized

responses of stressors, we can predict responses of

ecosystems to environmental change. In addition,

classifying stressors can help predict responses to

multistressor disturbances, which is the form of most

human alterations of aquatic resources. Predicting

multistressor responses is challenging, but some

general principles provide a conceptual starting point

for predicting response. Many of these concepts are

rooted in ecotoxicology (e.g. Suter, 1993). Stressor

effects can be aggregated by similarity in effects and

evaluated for synergistic interactions. Combinations

of stressors can be synergistic or positive, antagonistic

or negative, and indifferent. For example, elevated

light and nutrient concentrations are more likely to

stimulate algal accumulations than either factor alone

(Ylla et al., 2007). Similarly, antagonistic effects

would be predicted for heavy metals and phosphate

(Guasch et al., 2004). As in the latter case, more

rigorous challenges in multistressor analysis occur

with stressors that have opposing effects, and this

requires using innovative combinations of biomarkers

that can produce reliable assessments (Montuelle

et al., 2010). Considerable research is needed to refine

our understanding of individual and interactive

stressor effects in multistressor situations.

River classification

As ultimate determinants of river ecosystems, geology

and climate determine hydrology, topography, and

geomorphology (Leopold et al., 1964; Biggs, 1996;

Stevenson, 1997b), and consequently, flow regime,

biogeochemistry (e.g. Meybeck & Helmer, 1989), and

biological structure and function (Margalef, 1983).

These largely exogenous abiotic determinants also

regulate water chemistry, productivity, trophic struc-

ture, and ecosystem processes (Biggs 1996, Stevenson,

1997a; Riseng et al., 2004). The theory, that climate

and geology are ultimate determinants of the structure

and function of rivers, led to the application of

ecoregions (sensu Omernik, 1987) as organizing units

for environmental management. Thus, we can expect

different responses of rivers to global change across

climate and geologic regimes because the natural

determinants of river ecology differ among geocli-

matic regimes (Fig. 3).

Although we illustrate climate, geology, and anthro-

pogenic gradients as a relatively simple multivariate

axes in three-dimensional space (Fig. 3), we recognize

the complexity of these gradients. We could simplify

natural gradients to a few dominant factors, so we can

develop generalities to predict directions of global

changes that would hold for a substantial proportion of

river ecosystems. Climate involves temperature and

precipitation which, respectively, directly and indi-

rectly affect structure and function of river ecosystems.

When precipitation is linked to geology, hydrologic

variability with altered flood and drought regime

becomes an important factor along geologic gradients.

While the prediction is that systems will get warmer

and subject to greater hydrologic variability, ecore-

gional differences imply that some will get wetter and

others drier with changes in mean annual precipitation

(Milly et al., 2005).

In addition, many different combinations of stress-

ors may be associated with the human disturbance

Natural factors 
driving the physical 

and chemical 
environment in 

rivers

CLIMATE

GEOLOGY

Natural factors PLUS 
HUMAN 

INTERVENTION 
shape the physical 

environment in rivers

CLIMATE

GEOLOGY

HUMAN FORCING

GLOBAL CHANGE

Fig. 3 Climate and geology define the two-dimensional space

of the physical environment in river ecosystems. Human

forcing makes up a third dimension that configures a new, more

complex space in which the physical and biological compart-

ments of the river are regulated
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gradient depending upon the types of human activities

in the watershed as well as economic condition and

cultural practices. Ellis & Ramankutty (2008) have

developed the concept of anthropogenic biomes,

which is a biome classification that includes human

interactions with ecosystems. Human activities in

watersheds are greatly regulated by climate and

geology (Ellis & Ramankutty, 2008). Fewer people

live in mountainous regions than along larger rivers

and coastlines because historic and current routes of

transportation are more limited in mountainous

regions. Fewer people also live at higher latitudes,

largely because of historic limitations on transporta-

tion of food and harsh conditions. Agriculture

becomes more sustainable with increasing precipita-

tion, water storage potential, and lower slope in

watersheds. Such a classification could be used to

develop subgroups of anthropogenic ecoregions in

which gradients of human disturbance could be

defined with similar ratios of human activities, and

presumably similar multistressor gradients. The con-

ceptual habitat template outlined in Fig. 3 could

provide a foundation upon which predictions of global

change ecology can be organized by class of river.

Transferability of relationships among regions

Many relationships among human activities, natural

disturbances, stressors, and ecosystem services may

be transferable among classes of stream ecosystems.

Many stressor responses and predictions of ecological

effects are relatively consistent among regions, but

vary in magnitude of effect. Basic ecological princi-

ples with associated predications should be transfer-

able among stream systems. Timing of extreme

events rather than their magnitude can be relevant

to river functioning (Acuña, 2010). Direct effects on

organisms are more likely transferable across ecore-

gions than indirect effects because of added interac-

tive effects. The mechanistic responses to differing

nutrient pollution that occur from microbes (Ziegler

& Lyon, 2010) to invertebrates (Donato-Rondón

et al., 2010) and fish (Miltner & Rankin, 1998; Wang

et al., 2007) are similar among regions and are

even expressed in the stoichiometric composition of

the organisms (O’Brien & Wehr, 2010). Multiple

investigations indicate direct effect of phosphorus on

algal biomass is greatest when phosphorus

concentrations are less than 30 lg TP l-1 (Bothwell,

1988; Dodds et al., 1997; Stevenson et al., 2008,

submitted).

Our greatest challenge may be transferring predic-

tions of global change ecology across classes of rivers,

as defined by river typologies in different geoclimatic

regions. What are the similarities and differences in

ecological responses to stressors in different classes of

rivers? It could be argued that some areas are partic-

ularly sensitive because of their fragility, or simply

because the windows of opportunity for protection may

narrow because of global change (Uehlinger et al.,

2010) and unexpected impacts. Biodiversity hot spots

like boreal, tropical, and Mediterranean regions (Sala

et al., 2000) may be more sensitive than other areas.

However, similarities in responses among river typo-

logies are likely larger than differences, which may

largely be associated with system sensitivity and

magnitude of responses. Effects of urbanization and

agricultural activity produce long-lasting effects in

biodiversity and functioning elsewhere, from the

tropical regions (Donato-Rondón et al., 2010) to flood

plain rivers (Rodrigues Capı́tulo et al., 2010) and

headwater streams (O’Brien & Wehr, 2010).

Transfer coefficients can be developed for account

for differences among river typologies. Riseng et al.

(2004) empirically derived relationships for algal and

invertebrate response to nutrient pollution in a survey

of streams in two ecoregions with different disturbance

regimes. In one ecoregion, streams were hydrologi-

cally flashy with greater flood and drought frequency

and intensity than the other region, which had

hydrologically stable streams. Riseng et al. (2004)

found nutrients regulated algal and consumer biomass,

but top–down regulation of algal biomass by primary

consumers decreased with increasing flood and

drought disturbance. This produced dramatically dif-

ferent food web structure in the two ecoregions, with

low biomass of short-generation herbivores (e.g.,

mayflies) in the high disturbance ecoregion and high

biomass of more long-generation caddisflies in the

hydrologically stable ecoregion. Although positive

relationships were observed in both algal and inver-

tebrate biomass in the two regions, algal biomass was

an order magnitude greater in the flashy streams and

invertebrate biomass was an order of magnitude higher

in the hydrologically stable streams (Fig. 4). The

differing responses of algae and invertebrates in

hydrologically stable and flashy streams provide an
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opportunity to expand the model for algal and

invertebrate response to nutrients in streams by

accounting for hydrologic disturbance regime (Riseng

et al., 2004; Stevenson et al., 2006).

Future challenges of global change for river

science

River sciences have advanced greatly in the last four

decades, from a concentration in North America to

Europe, Australia, New Zealand and other regions of

the world (Benke & Cushing, 2005; Allan & Castillo,

2007; Tockner et al., 2009). The early focus on

identifying biota and biotic interactions among them

rapidly grew to include a quest to understand the

abiotic factors that regulated those interactions and the

broader interdisciplinary linkages among the biota,

ecosystem function, biogeochemistry, and hydrology.

Aquatic resource managers have been engaged in river

ecology through most of the development of river

science in their educational training and continued

scientific engagement. Still, significant gaps remain

between the science provided by many river ecologists

and needed by aquatic resource managers. These gaps

are not restricted to recent times or unique to river

ecology (e.g. Aumen & Havens, 1997; Carpenter

et al., 2009), but the need and opportunities for

partnerships between scientists and policy makers has

never been as great as it is today (Hamilton et al.,

2010).

While emerging stressors (e.g. pharmaceuticals,

nanoparticles, and invasive species) and unforeseen

climatic conditions (higher drought frequency, large

flood episodes, increasing frequency of heat waves)

may present new variables for study, great demand

exists for more thorough study of existing relation-

ships in global change ecology of rivers. Though

exploring new variables or new combinations of

variables has great value, challenges exist for com-

paring relationships with the same variables, in

different settings, and more thoroughly. Cross-region

or cross-typology studies will increase transferability

of relationships among the classes of rivers studied as

well as to other rivers, if cross-system patterns can be

identified. Predicting differences in global change

relationships across river typologies is challenging

and important for anticipating inter-regional differ-

ences and also for predicting which types of rivers

will be most sensitive to global change.

More detailed quantification of relationships among

human activities, stressors, structure and function of

rivers, as well as ecosystems is needed (Boix et al.,

2010; Ricart et al., 2010), versus the classical high-

low experimental manipulations. Few relationships

are sufficiently well quantified that we can develop

predictive models of river ecosystem response under

different global change scenarios. Many relationships

in river ecology are non-linear, which generates large

differences in predicted conditions with small incre-

ments of environmental change (Stevenson et al.,

2008; Sabater, 2008). Threshold responses resulting
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logically flashy (F, open circles) and stable (S, filled triangles)

streams with data replotted from Riseng et al. (2004) and
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from non-linearities are also valuable for setting

management targets for both protection and restora-

tion of rivers (Muradian, 2001; Stevenson et al.,

2004, 2008). Balancing tradeoffs among different

ecosystem services, which are not necessarily con-

cordantly related to environmental gradients, also

demands accurate quantification of relationships.

Recent investments in large scale ecological assess-

ments in the United States and Europe provide

excellent opportunities for gathering sufficient date

for both quantifying relationships, but also comparing

them across ecoregions and river typologies.

Water policy, like other environmental policies,

requires a high level of scientific certainty before

widespread support can be developed among stake-

holders for a policy. The challenge with development

of climate and greenhouse gas regulation policies

demonstrates that the scientific certainty required for

policy development increases with the demands on

society that will result from that policy. A great

source of uncertainty in our understanding problems

is the diagnosis of the specific pollutants and habitat

alterations that are threatening or causing impairment

of ecosystem services. As an example, the effects of

hydrological disturbances (e.g. abstraction) may

directly affect the biota performance on organic

matter use, but also indirectly through organic matter

transport (Ylla et al., 2010). The amazing adaptability

of some biota to human disturbance (Zoppini et al.,

2010; Mas-Martı́ et al., 2010) can provide a false

sense of security and generate ambiguity in perceived

effects, and therefore provides a further source of

uncertainty. However, rules for causal inference are

relatively well established in environmental epide-

miology (Beyers, 1998; Norton et al., 2009) and

should be more broadly applied by basic as well as

applied scientists. These rules include significant

effects in exposed area, relationship to exposure

concentration, the same causes and effects observed

elsewhere, ecological plausibility, and concordance

of experimental and field survey results. These rules,

as well as an understanding of the kind of informa-

tion that we need to know, can be used to guide our

gathering and generation of knowledge to inform

water policy.

Highlighted within the rules for confirming causal

relationships are the three main scientific approaches

used in ecology that should be applied to develop an

understanding of interrelationships between human

activities, contaminants, habitat alterations, and eco-

system services: observations of patterns in the field,

experiments in which specific factors are isolated and

manipulated, and process-based modeling. Observa-

tions within the field provide evidence for significant

effects in exposed areas and for relationships between

effects and the magnitude of exposure to stressors, but

these relationships could be caused by other variables.

Experiments provide the opportunity to isolate specific

variables, determine effects without ambiguity about

cause, show the possible responses of ecosystems to

stressors, and establish ecological plausibilities. Cou-

pled, process-based models (e.g. Wiley et al., 2010)

provide syntheses of multiple single models, evaluate

interactive effects, and explore ecological plausibili-

ties with a more thorough approach than simple

statistical models and experiments. In addition to these

three scientific approaches, the fundamental practice

of repeating experiments and field studies and com-

paring relationships among similar studies is also

important for building a knowledge foundation for

evaluating causality. This multiple lines of evidence

are important for understanding the complexities of

coupled human and natural systems (CHANS; Collins

et al., 2007; Liu et al., 2007; Smith et al., 2009;

Stevenson, in press) with sufficient certainty that water

policies can be broadly and sustainably supported by

stakeholders.

Relating river science and management more

completely to ecosystem services will provide a

common denominator for river management around

the world. Although valuation of ecosystem services

varies among regions with different socioeconomic

and cultural settings, ecosystem services are the same;

and many services have value beyond the region in

which they are produced. Given the globalization of

economies and need for global assessments of envi-

ronmental compliance, ecosystem services are inter-

nationally recognized endpoints for environmental

assessment and management. The need to quantify

ecosystem services and relate them to environmental

change emphasizes the need for functional as well as

structural assessments of river ecosystems, as well as

bridging basic and applied science.
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Abstract Large rivers of the tropics, many of which

have extensive floodplains and deltas, are important in

the delivery of nutrients and sediments to marine

environments, in methane emission to the atmosphere

and in providing ecosystem services associated with

their high biological productivity. These ecosystem

functions entail biogeochemical processes that will be

influenced by climate change. Evidence for recent

climate-driven changes in tropical rivers exists, but

remains equivocal. Model projections suggest sub-

stantial future climate-driven changes, but they also

underscore the complex interactions that control

landscape water balances, river discharges and bio-

geochemical processes. The most important changes

are likely to involve: (1) aquatic thermal regimes, with

implications for thermal optima of plants and animals,

rates of microbially mediated biogeochemical trans-

formations, density stratification of water bodies and

dissolved oxygen depletion; (2) hydrological regimes

of discharge and floodplain inundation, which deter-

mine the ecological structure and function of rivers

and floodplains and the extent and seasonality of

aquatic environments; and (3) freshwater–seawater

gradients where rivers meet oceans, affecting the

distribution of marine, brackish and freshwater envi-

ronments and the biogeochemical processing as river

water approaches the coastal zone. In all cases, climate

change affects biogeochemical processes in concert

with other drivers such as deforestation and other land

use changes, dams and other hydrological alterations

and water withdrawals. Furthermore, changes in

riverine hydrology and biogeochemistry produce

potential feedbacks to climate involving biogeochem-

ical processes such as decomposition and methane

emission. Future research should seek improved

understanding of these changes, and long-term mon-

itoring should be extended to shallow waters of

wetlands and floodplains in addition to the larger

lakes and rivers that are most studied.

Keywords Global warming � Temperature �
Wetlands � Carbon dioxide � Oxygen �
Biogeochemistry

Introduction

In the process of conveying water and materials from

uplands to the oceans, large tropical rivers and their
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floodplains are sites of intense biogeochemical activ-

ity associated with the passage of river water through

highly productive floodplains and estuaries. Rivers

and their floodplains provide important ecosystem

services, supporting biodiversity, freshwater and

marine fisheries, traditional human livelihoods and

productive agricultural land (Junk, 1997). Many large

tropical rivers have not been regulated by dams

(Nilsson et al., 2005), and therefore retain seasonally

variable hydrological regimes and periodically inun-

dated floodplains, characteristics that exert important

influence on aquatic biogeochemical processes and

fluxes (Lewis et al., 2000). Extensive seasonal inun-

dation in many tropical floodplains makes them major

natural sources of methane emission to the atmosphere

(Melack et al., 2004; Denman et al., 2007). Large

tropical rivers are important in the delivery of nutrients

and sediments to marine environments, and this

material influx supports productive estuarine and

coastal marine ecosystems (Cotrim da Cunha et al.,

2008). Where rivers meet the oceans, deltas and

estuaries are important sites of biogeochemical trans-

formations including biological production, sediment

retention and nutrient transformation (Bianchi, 2007).

This article reviews literature on whether climate-

driven changes are already taking place in tropical

ecosystems, how future climate change is expected to

affect large tropical rivers and their floodplains, and

the potential biogeochemical implications of these

effects. Large tropical river systems drain catchments

ranging from rainforest to dryland and from relatively

pristine to heavily impacted by human activity. In all

cases, climate change will affect biogeochemical

processes in concert with other anthropogenic

drivers, such as land use change, construction of

dams and other river channel alterations and water

withdrawals. Also, changes in catchment vegetation

and land use likely will produce potential hydrolog-

ical feedbacks to climate that remain poorly under-

stood. Evidence reviewed here indicates that climate

change potentially is expected to profoundly influ-

ence the biogeochemical processes that underpin

ecosystem functions of large rivers and their flood-

plains and estuaries, most prominently via hydrolog-

ical changes in the catchments and rising sea levels at

the river mouths, but potentially also via a host of

other interactions. Tropical river catchments encom-

pass a broad range of climatic settings, human

activity and geomorphology, and thus the

hydrological and biogeochemical implications of

climate change will be variable across river systems.

Tropical river hydrology and climatic regimes

Major tropical river systems and their associated

floodplains are described by Welcomme (1985) and

include systems with largely natural hydrological

regimes, such as the Amazon and Orinoco rivers of

South America, as well as systems that have been

strongly impacted by hydrological modifications

including large dams, such as the Paraná River in

South America and the Niger River in Africa. All of

these river systems are seasonally variable in dis-

charge and many have extensive floodplains and

deltas, although large dams can reduce variability in

discharge and inundation. Floodplains fringing large

rivers typically include areas flooded by riverine

overflow as well as areas subject to inundation from

local sources that drains through floodplains into a

river system (Mertes, 2000; Hamilton, 2008a). Large

tropical rivers deliver *35% of global freshwater

discharge to the oceans (Vörösmarty et al., 1997).

Seasonal variation in temperature, precipitation

and river discharge occurs over most of the tropics,

and is most marked in the ‘wet–dry tropics’ (tropical

latitudes higher than *10�), where climatic season-

ality is driven by the shifting latitudinal location of

the equatorial trough and the inter-tropical conver-

gence zone (Talling & Lemoalle, 1998). Seasonal

variation in temperature and river discharge may or

may not be coincident in timing. For example,

inundation of much of the Pantanal wetland of Brazil

takes place in the warmer months (Hamilton et al.,

1996), whereas river flooding in the Okavango Delta

in Botswana coincides with the cool season (Ramberg

et al., 2006). The Amazon River system drains

catchments on both sides of the equator with roughly

opposite seasonal discharge patterns and as a result

the seasonality of discharge and floodplain inunda-

tion along the main stem is somewhat attenuated

(Hamilton et al., 2002).

The El Niño-Southern Oscillation (ENSO) cycle,

which is associated with sea surface temperature

anomalies in the tropical Pacific, exerts considerable

influence on precipitation patterns in the tropics and

subtropics (Foley et al., 2002; Bates et al., 2008).

ENSO variability partly explains the interannual
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variability in river discharges and floods and droughts

in regions as distant as southern Africa and Australia.

Large tropical rivers with discharges that are partic-

ularly influenced by ENSO events include the Nile,

Amazon, Congo, Paraná and Ganges (Khan et al.,

2006). The erratic behaviour of tropical cyclones also

contributes to the interannual variability in the hydro-

logical regimes of tropical rivers in regions where

much of the rainfall is associated with cyclonic

activity, such as southeast Asia and northern Australia.

Floodplain waters are amongst the warmest sur-

face waters in tropical regions because they tend to be

shallow (and thus they concentrate heat accumulation

and track short-term fluctuations in air temperatures)

and they lie at low elevations. Water depths can be

[10 m in the main channels of the largest rivers, but

the mean depth on fringing floodplains is typically

much less, and often not deep enough to develop

persistent hypolimnetic anoxia, even in the perma-

nent floodplain lakes (e.g. Hamilton & Lewis, 1990;

Hamilton et al., 1990). Most discussions of thermal

regimes in tropical fresh waters have dealt with large

lakes, for which there are many published examples,

and often these are deep enough to be seasonally

stratified and many of the most studied tropical lakes

lie well above sea level (Talling & Lemoalle, 1998).

Shallow and quiescent waters on floodplains or in

rivers with little or no flow are more subject to diel

temperature fluctuation in response to short-term

gains and losses of heat. Diurnal stratification is

characteristic of these waters, and is a phenomenon

subject to change in a warming climate, as discussed

later. An example of thermal seasonality in relatively

shallow waters of tropical rivers and floodplains is

presented in Fig. 1, which shows typical seasonal

fluctuations in daytime temperatures in waters of the

Brazilian Pantanal. Figure 2 shows a diel cycle of

temperature during the late dry-season in a slowly

flowing monsoon river of northern Australia.

Similar water temperatures, commonly exceeding

30�C, but not often approaching 40�C during the

warm season, have been measured in other shallow

tropical waters in the wet–dry tropics. For example,

measurements made in a rice field pool of northeast-

ern Thailand (*17.5�N latitude) by Heckman (1979)

showed frequent maxima above 35�C. Water tem-

peratures in more equatorial locations usually do not

reach such extremes due to attenuation of solar

radiation by clouds (Lewis, 1987). Also, floodplains

where precipitation is more equitably distributed

throughout the year tend to have dense vegetation

canopies that shade the water. Nonetheless, in

shallow and uncanopied water bodies daytime water

temperatures can surpass 30�C, as shown for example

in data for an Amazon floodplain lake by de Melo &

Huszar (2000), for Orinoco floodplain lakes by

Hamilton et al. (1990), and in the Paraguay River

by Hamilton et al. (1997). Thus, for this review, the

water temperature range of interest is approximately

15–40�C, recognising that maximum temperatures

above *35�C are likely only in the shallowest

waters.

15

20

25

30

35

40

Nov-92 Jan-93 Mar-93 May-93 Jul-93 Sep-93 Nov-93

T
em

pe
ra

tu
re

 (
de

gr
ee

s 
C

) 

Fig. 1 Seasonal fluctuations in daytime temperatures in

surface waters of the Brazilian Pantanal, collected by the

author at numerous river and floodplain sites over the course of

biogeochemical investigations (Hamilton et al., 1995). Most of

the waters sampled were\3 m and many were\1 m deep, and

were located between 17 and 18�S latitude
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Fig. 2 Example of a diel temperature cycle in an open

(uncanopied) riffle of a slowly flowing river of northern

Australia during the late dry season (Mitchell River, 16.5�S

latitude, 4–5 November 2007)
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Water temperatures in lakes and larger rivers are

commonly measured although typically published

only in summary form, obscuring the minima and

maxima that can be important for biogeochemical

and ecological processes. Temperatures in shallow

waters of wetlands and floodplains are not measured

as often, and when done so it is usually for a limited

time, serving as ancillary information for studies

focused on other topics. Long-term monitoring of

water temperatures in a diversity of tropical water

bodies, in conjunction with meteorological data

collection nearby, would be a wise investment to

improve our understanding of the thermal implica-

tions of climate change for aquatic ecosystems and

could readily be done using inexpensive continuous

logging systems, provided that rigorous calibration

protocols were in place.

Climate change in the tropics: past trends

and future projections

Current consensus on how climate change is pro-

jected to affect tropical regions is drawn mainly from

the Intergovernmental Panel on Climate Change

(IPCC) Technical Paper on Climate Change and

Water (Bates et al., 2008), which is based on the

Fourth Assessment Report (IPCC, 2007; Kundzewicz

et al., 2008), and references cited therein. Additional

information was drawn from CCSP (2008).

Temperatures in the tropics are projected to warm

2–4�C by 2100 (Meehl et al., 2007). The warming

temperatures will extend tropical climates poleward

and upward in elevation. Evaporation rates and

atmospheric moisture fluxes are often projected to

increase significantly as the temperatures rise because

the saturation water vapour pressure increases non-

linearly with temperature. However, evaporation

rates are influenced by complex interacting factors

associated with local geography and prevailing

climatic conditions, and increases in atmospheric

humidity and/or wind can counterbalance the

temperature effect and even result in decreased

evaporation rates (Hobbins et al., 2004, 2008).

Hydrological fluxes including precipitation, evap-

oration and runoff will intensify as a result of the

increase in atmospheric temperature and moisture

and consequent changes in atmospheric circulation. A

general tendency in model projections for a warming

climate is that presently wet climates become wetter

and dry climates become drier, and this appears to

hold for the tropics as well as globally (IPCC, 2007).

Increasing subtropical aridity is also projected, but

mainly at the poleward flanks of the subtropics (Cook

et al., 2008).

Timing and volume of river discharges respond

strongly to changes in precipitation and are usually

somewhat less sensitive to changes in evaporation

rates and storage reservoirs (e.g. ground water, soil

moisture, artificial reservoirs and in high-elevation

catchments, snow and ice). Thus altered river hydro-

logical regimes are expected to occur particularly as a

result of changes in precipitation regimes. However,

certain rivers also may change significantly in

response to changes in evaporation rates, particularly

in dryland catchments where a larger fraction of the

precipitation is lost to evaporation (Goudie, 2006), as

well as in high-elevation catchments such as the

Himalayas where seasonal water storage as snow is

important (Nijssen et al., 2001).

Many studies have searched for global trends in

river discharge, precipitation and water quality over

recent decades, but a clear consensus has yet to

emerge. Recent study has pointed to an overall trend

of increasing river discharge over the past century

(Labat et al., 2004; Gerten et al., 2008), although the

quality of the data set underpinning this conclusion

has been questioned (Peel & McMahon, 2006;

Milliman et al., 2008), and the increase has yet to

be rigorously verified. Precipitation also fails to show

discernable trends in total amount in the tropics

(Bates et al., 2008), although trend detection is

difficult in the face of high interannual variability in

precipitation, in part, related to ENSO variation.

While there may have been a global increase in river

discharges, evidence so far indicates that trends

across the tropics have certainly not been homoge-

neous (Bates et al., 2008), and are likely to be

spatially variable in the future. For example, regional

decreases in annual runoff have been noted for parts

of West Africa and southern South America (Milly

et al., 2005; Li et al., 2007). Recent assessments of

trends in water quality also fail to show globally

consistent changes that can be attributed to climate

change (Bates et al., 2008). This lack of conclusive

evidence for global trends is not surprising because

hydrological changes associated with a changing

global climate are expected to be spatially
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heterogeneous and difficult to discern from natural

variability and catchment-specific hydrological alter-

ations by human activities.

Despite the ongoing debates about whether pre-

cipitation and river discharges have changed in the

recent past, there is good reason to believe that a

combination of global climate change and human

interferences in land and river hydrology will

increasingly alter river hydrological regimes in the

future. Specific projections are challenging, however,

because river runoff reflects the net result of multiple

interacting processes. Several studies have examined

the idea that increased runoff could arise from

increased plant water use efficiency in response to

greater atmospheric CO2 availability, via reduced

need for stomatal gas exchange and consequent

evapotranspirative water losses (Gedney et al.,

2006; Betts et al., 2007). However, another modeling

study has suggested that this plant physiological

response should be compensated by CO2-stimulated

increases in plant biomass, and that in some tropical

regions past increases in runoff appear to have been

driven largely by changing land use, with climate

change of secondary importance (Piao et al., 2007).

Another recent modelling study of past discharge

records has demonstrated the potential importance of

changes in land cover, temperature and irrigation in

addition to precipitation and CO2 (Gerten et al.,

2008).

Multi-model ensemble projections extending to

time spans of 50–100 years provide the best available

indication of where future climatic changes are likely

to be most important (Nohara et al., 2006). In general,

these model ensembles project that by mid-century

mean annual precipitation and runoff will decrease by

10–30% in some dry subtropical and tropical regions

and increase by 10–40% in some wet tropical regions

(Milly et al., 2005; Bates et al., 2008). For example,

mean annual runoff is projected to decrease in

southern Africa, tropical Mexico, central America

and northeast Brazil, to increase in eastern equatorial

Africa and the La Plata River catchment in South

America, and to change less in much of the Amazon

and Orinoco catchments. Regions subject to mon-

soonal regimes are likely to become wetter, including

southern Asia and northern Australia. Evaporation and

evapotranspiration may increase with warming tem-

peratures, and as mentioned before this could coun-

teract the effect of increased precipitation on runoff,

especially in dryland rivers (Dai et al., 2004; Cai &

Cowan, 2008). However, climate warming models

that project increased evaporation in a warmer world

may overemphasise the role of temperature alone as a

driver of evaporation (Hobbins et al., 2008).

Despite the uncertainty of model projections, in

many tropical rivers the projected changes in dis-

charge over the next 100 years are similar to or

greater than the envelope of natural variability over

the past 9,000 years, a period of substantial variabil-

ity driven mainly by changes in solar insolation

arising from orbital variations (Aerts et al., 2006).

The comparative analysis by Aerts et al. suggests that

the Ganges, Mekong, Volta, Congo and Amazon

rivers are in this category, whereas the Nile appears

less sensitive to future climate change.

One globally consistent projected trend is towards

more intense precipitation events (Cook et al., 2008),

which has implications for river hydrological regimes

and floodplain inundation even if mean annual

precipitation and river discharges are unchanged.

The frequency and severity of heavy precipitation

events are likely to increase in tropical catchments, as

are the extent and occurrence of droughts, with both

changes projected to take place in some catchments

(Bates et al., 2008; Kundzewicz et al., 2008). For

rivers, in general, studies have documented how

precipitation intensity strongly influences rates of soil

erosion and sediment transport into rivers, peak

discharges that control many fluvial geomorphological

processes, and timing and duration of floodplain

inundation (Goudie, 2006). Tropical rivers would

behave similarly in these regards, albeit with the most

potential for soil erosion in seasonally dry catchments.

Droughts appear to have become more common in

recent years, showing some correspondence with

elevated sea surface temperatures in tropical regions,

although their attribution to climate change remains

uncertain (Bates et al., 2008; cf. Marengo et al., 2008;

Sheffield & Wood, 2008). Drier parts of the

northern subtropics are particularly likely to experi-

ence greater seasonal water limitation (Bates et al.,

2008). It is important to recognise that seemingly

mild droughts in normally humid regions can cause

major changes in vegetation and organic carbon

stocks, often via increased fire influence (Marengo

et al., 2008). For river systems in populated regions

with limited water supplies, stronger or more pro-

tracted droughts will increase pressure to withdraw
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river water for consumptive uses or interbasin

diversions (Palmer et al., 2008).

Glacier-fed rivers will temporarily increase in

discharge then decrease as the glacial ice becomes

diminished. Loss of glacial and snowmelt sources

will in some cases impact significant tropical rivers

and water supplies downstream, as for example in

tropical Andean alpine areas (Bradley et al., 2006)

and in rivers arising in the Himalayas (WWF, 2005).

Glacial retreat or disappearance may not greatly

affect discharge of the larger South American rivers

because most of their water originates from more

lowland catchments. However, glaciers across the

Himalayas and the Qinghai-Tibet Plateau are impor-

tant sources of water, particularly during low-

discharge seasons, to rivers, such as the Yangtze

and Yellow in China, the Mekong in Indochina, the

Brahmaputra in Bangladesh and the Ganges in India.

Models indicate that tropical cyclones are likely to

become more intense in the future (Bates et al.,

2008). It remains unclear whether tropical cyclone

activity has increased as a consequence of climate

change (Goudie, 2006), although there is evidence

that tropical cyclones are becoming more severe

(Webster et al., 2005). Notably, storm surges asso-

ciated with coastal storms will increase in impact and

area of influence with sea level rise, whether or not

the storms become more severe.

Sea level rise is one of the most certain conse-

quences of a warmer climate, but the magnitude and

timing are not easily forecast. Projections of sea level

rise are being revised in light of the surprisingly

accelerated degradation of continental ice sheets, and

rises of 40–100 cm over the next century are now

being projected (Horton et al., 2008), substantially

greater than the 28–42 cm estimates of global models

evaluated by the IPCC (2007). Even greater rises

cannot be ruled out due to the difficulty in predicting

ice sheet behaviour (Hansen, 2007; Steffen et al.,

2008; Solomon et al., 2009). In some large river deltas

including those of the Mississippi, Nile and Ganges,

the effective sea level rise has been considerably

exacerbated by land subsidence, which can result from

a variety of processes including decreased sediment

loads due to upstream impoundments, oxidation of

drained organic soils and localised withdrawals of

groundwater, oil or gas (Ericson et al., 2006).

Large-scale changes in terrestrial vegetation

may accompany climate change, particularly where

droughts and seasonal water limitation increase to the

point where forests are replaced by grasslands, and

where the impacts of fires increase. Vegetation water

use and land cover have consequences for ground-

water recharge and runoff (Li et al., 2007; Costa-

Cabral et al., 2007), and may also affect soil erosion

and sediment transport into rivers. A substantial

fraction of forest in the Amazon catchment may be

vulnerable to increased water stress and fires during

the dry season, even though total annual precipitation

is not projected to change greatly (Bates et al., 2008;

Barlow & Peres, 2008). Deforestation in the eastern

Amazon has also been linked to decreased plant

water use and increased runoff (Chaves et al., 2008),

which in turn explain recent increases in discharge of

large rivers (Coe et al., 2009). Extensive deforesta-

tion could result in regional decreases in precipitation

through this feedback, however, and the net balance

of these counteracting changes is likely to vary

depending on catchment characteristics (Coe et al.,

2009). As discussed above, such changes in vegeta-

tion would affect plant water use (evapotranspira-

tion), and the water use efficiency of plants is also

affected by increasing CO2 availability. Large-scale

changes in vegetation thus represent one of the

strongest feedbacks to climate, particularly where

changing vegetation produces large changes in

carbon sequestration, water use or radiation balance

(i.e. albedo), but these feedbacks are complex and

incompletely understood.

Conceptual model of biogeochemical implications

of climate change

A conceptual model illustrates the major ways in

which climate change is hypothesised to affect

riverine and floodplain biogeochemistry (Fig. 3).

For simplicity, the main driver of global change is

depicted as radiative forcing and the resultant global

atmospheric temperature increase. Ecosystem-wide

increases in air temperature will result in myriad

ecological implications, and some would propagate

from the terrestrial catchments through hydrological

flow paths to affect streams and rivers, in addition to

changing land cover and ecosystem processes on

seasonally inundated floodplains. Amongst the most

notable catchment-wide, direct ecological effects of

rising temperatures are increased thermal stress for
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some organisms, a general ecological disequilibrium

producing shifts in ecosystem structure including

poleward and altitudinal extension of the ranges of

some tropical species, and spread of invasive species

that exploit new habitats as thermal limitations are

reduced. Changes in terrestrial ecosystems are impor-

tant, but beyond the scope of Fig. 3, which focuses on

aquatic biogeochemistry.

Based on my review of the literature, I conclude

that the most broadly applicable and probably the

most important effects of atmospheric temperature

increases on tropical rivers and floodplains entail

changes in aquatic thermal and hydrological regimes

and, in low-lying coastal areas, sea level rise, which

will interact with the other drivers. Increased dis-

solved CO2 in response to higher partial pressures in

overlying air is a distinct and possibly significant

first-order effect that interacts with higher tempera-

tures to affect mineral weathering and solubility,

which in turn control water chemistry at the site of

mineral weathering and may affect riverine solute

fluxes. Each of these first-order effects and the

higher-order effects that follow from them are

discussed below.
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Fig. 3 Conceptual model

depicting the major ways in

which climate change is

hypothesised to affect

riverine and floodplain

biogeochemistry. First-

order effects of the

increased atmospheric

temperature on aquatic

ecosystems are depicted as

ovals and higher-order

effects as diamonds. These

effects have ecological and

biogeochemical

implications that are listed

in the boxes. Hydrological

regimes encompass the

magnitude, timing,

duration, frequency and rate

of change of key

characteristics including

water level, discharge and

extent of inundation (Poff

et al., 1997)
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Changes in thermal regimes

Temperature exerts pervasive effects on many aspects

of ecosystem structure and function including bio-

geochemical processes. Direct impacts of warmer

temperatures operate mainly through thermodynam-

ics and the physiological optima of organisms.

Thermodynamics drive faster chemical reaction rates

at higher temperatures, and many plants and animals

increase their growth efficiency (production:biomass

ratios) in response to increasing temperature (Talling

& Lemoalle, 1998). However, as temperatures climb

the point is reached where biotically mediated

reactions are subject to biochemical limitations such

as enzyme denaturation and loss of membrane

functions. Thermal tolerances for organisms are often

cited as temperatures at which they no longer

function, but their thermal optima are likely well

below those tolerances.

The thermal optima of vascular plants, insects and

microbes may be of greatest interest in regard to

biogeochemical cycles, although biotic changes at all

levels of food webs can have significant biogeo-

chemical implications. Thermal optima tend to be

narrower for tropical organisms, at least for tropical

ectotherms ranging from insects to vertebrates, than

they are for equivalent temperate-zone biota, and the

thermal response tends to drop sharply from the

optimum range to the maximum tolerable tempera-

ture (Deutsch et al., 2008). Seasonal minimum

temperatures may dictate the ranges of many tropical

plants and animals. At high temperatures (e.g.

[30�C), differences in thermal optima affect com-

petitive dynamics amongst species, and often species

diversity begins to drop around 35�C. Hence seem-

ingly modest temperature increases in tropical

environments could produce unexpectedly strong

reductions or shifts in biotic composition and diversity,

with unknown biogeochemical ramifications.

Heterotrophic microbial activity in natural envi-

ronments tends to increase with increasing tempera-

ture, and experimental work with natural wetland

soils and sediments supports this generalisation over

the temperature range of interest here (i.e. 15–40�C).

Overall decomposition rates increase with tempera-

ture, although the net effect for soil or sediment

organic matter pools depends on whether soil mois-

ture and redox status also change, and whether

organic inputs change as a result of changes in plant

production (Davidson & Janssens, 2006). Currently,

there is not a consensus as to the importance of

temperature increases for net ecosystem carbon

balances, and most study has focused on upland soils

and on northern wetland soils including permafrost.

In tropical floodplains subject to seasonal inundation

and desiccation, a significant increase in temperature

is likely to be accompanied by changes in landscape

water balance, the seasonality of soil moisture and

inundation, and fire regimes, all factors which may

have overriding influences on organic matter pools

and fluxes compared to changes in rates of microbial

metabolism.

Primary production rates of algae tend to increase

with temperature in the range of 15–30�C, but may

fall sharply above about 35�C, while respiration rates

continue to increase (Kirk, 1994; Talling & Lemoalle,

1998). However, in most tropical waters, primary

production rates often are more constrained by

nutrient limitation than by temperature (Lewis,

1987). Vascular plants with leaves above water are

more likely to suffer negative impacts of excessive

heating, although plant reaction to overheating has

been investigated mainly in terrestrial plants (Berry

& Björkman, 1980). Grasses with the C4 photosyn-

thetic pathway can be important components of

aquatic vegetation in tropical floodplains (e.g. Junk,

1997), and are more tolerant of high temperatures

than C3 plants. Thus increasing temperatures may tip

the balance of competition in favour of C4 grasses,

which may decrease the nutritional quality of organic

matter for consumers, particularly because C4 grasses

tend to have lower nitrogen contents (Gibson, 2009)

and provide little support of aquatic food webs

(Hamilton et al., 1992; Clapcott & Bunn, 2003).

Anaerobic microbial processes may be responsive

to temperature increases. Denitrification seems to be

a more effective sink for nitrate in warmer waters,

and may contribute to the tendency for nitrogen

limitation of primary production in tropical fresh

waters and riverine estuaries (Talling & Lemoalle,

1998; Downing et al., 1999). Methanogenesis and

iron reduction are two competing processes of

anaerobic decomposition of particular importance in

tropical floodplains (Roden & Wetzel, 2002; Weber

et al., 2006). Both methanogenesis and iron reduction

show temperature optima of 32–41�C in anoxic soils

from rice paddies (Yao & Conrad, 2000; Fey et al.,

2001). Although total methanogenesis increases with
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temperature, there is molecular and isotopic evidence

for strong shifts in the phylogenetic composition of

methanogenic archaea as temperatures climb above

30�C (Fey et al., 2004), and further shifts in

methanogen community composition and methano-

genic pathways as temperatures climb above 40�C

(Fey et al., 2001; Wu et al., 2006; Conrad et al.,

2009). Bacterial community structure also changes

between 35 and 45�C (Conrad et al., 2009).

Based on this body of study focused especially on

methanogenesis, it appears likely that heterotrophic

microbial metabolism, including anaerobic processes

of key interest in biogeochemistry, will increase in

response to higher temperatures. Most estimates of

the Q10 for aquatic respiration, which refers to the

relative increase in rate for a 10�C increase in

temperature within the normal temperature range of

the environment, and if all else remains unchanged,

range between 2 and 3 (Fenchel, 2005). Methano-

genesis can have a higher Q10 (Roehm, 2005). There

may be changes in microbial community composi-

tion, but functional redundancy may maintain rates of

biogeochemical processes. Thermal stress on the

upper end of the temperature range is thus more

likely to affect animals and higher plants, while

microbes and the processes they mediate seem more

resilient within the range of water temperatures that

might be experienced.

Tropical wetlands are globally important sources

of methane emission to the atmosphere (Denman

et al., 2007; Bergamaschi et al., 2007), and hence

changes in their contribution can be important as a

feedback to climate change. Increased emission of

methane by tropical wetlands has been projected,

mostly ascribed to higher temperatures, but also

related to increased inundation (Gedney et al., 2004;

Shindell et al., 2004). However, it remains uncertain

whether higher methane production rates will neces-

sarily increase methane emission rates due to the

complexity of interactions amongst fermentation,

methanogenesis and methane oxidation (Conrad

et al., 2009).

An important class of effects of warmer temper-

atures on shallow tropical waters may be more

indirect, involving density stratification and mixing

patterns. Diurnal stratification and variable degrees of

nocturnal mixing are typical of quiescent water

columns that are less than 4–5 m deep, and can be

marked even when the water is \1 m deep. The

propensity for diurnal stratification to develop is

greater at higher temperatures due to the tempera-

ture–density behaviour of water, which results in

greater stability changes for a given heat flux as

temperatures increase (Lewis, 1987). A diurnally

stratified water column intensifies heat accumulation

near the surface, and is more likely to result in

thermal stress. Increased occurrence and intensity of

diurnal stratification enhances the potential for bio-

geochemical differentiation between surface and

bottom waters, which in turn can increase nutrient

limitation of surface waters and oxygen depletion of

deeper waters. A sequence of days with incomplete

nocturnal mixing can result in anoxic waters and lead

to fish kills (Talling & Lemoalle, 1998). In tropical

lakes, seasonal changes in wind regimes also can be

important for stratification and mixing patterns

(Talling & Lemoalle, 1998), although wind may be

less important as an agent of mixing in shallow and

often vegetated waters of floodplains than it is in

larger lakes.

Consumption of dissolved O2 proceeds faster and

the solubility of O2 is lower at warmer temperatures,

and these factors combine to make O2 depletion more

likely (Lewis, 1987), with consequences for aquatic

animals, the rates and nature of microbial processes

and biogeochemical cycles of redox-sensitive ele-

ments including many trace metals (Hamilton et al.,

1997). Mercury methylation and consequent contam-

ination of food webs may increase with temperature

as well (Mauro et al., 1999). The net effect of these

changes may be altered species compositions of

plants and animals, accompanied by accelerated

microbial processes and elemental cycling, with

uncertain implications for nutrient limitation and

aquatic ecosystem productivity in shallow waters.

Changes in hydrological regimes

The effects of altered hydrological regimes on

biogeochemical processes in rivers and floodplains

may well prove to be more marked than the effects of

warmer water temperatures due to the overriding

importance of seasonal inundation patterns in dictat-

ing ecological and biogeochemical features of these

ecosystems (Junk, 1997; Hamilton, 2008b). Changes

in hydrological regimes under a warmer climate

begin with the landscape water balance, which
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responds to changes in precipitation regimes in

combination with higher evapotranspiration at war-

mer temperatures (see above discussion). Thus mag-

nitude and timing of upland runoff, river discharge

and floodplain inundation regimes are all subject to

change.

Some major implications of altered hydrological

regimes are listed in Fig. 3, although the importance of

several of these depends on the setting, and they are

not unique to tropical river systems. In addition to

ecological disequilibria produced by changes in dis-

charge and flood regimes, geomorphological disequi-

libria invoked by changes in runoff and river discharge

can result in enhanced sediment fluxes from uplands to

rivers and between rivers and their floodplains and

coastal zones (Ericson et al., 2006; Walling, 2006;

Syvitsky et al., 2005). Natural sediment fluxes can be

important in nutrient supply as well as in maintain-

ing geomorphologically dynamic environments that

often support vegetation in early successional stages.

However, enhanced sediment and nutrient fluxes due

to changing human land use or climate can result in

undesirable geomorphic and ecological disequilibria.

Day et al. (2008) discuss implications of changes in

inputs of freshwater, sediments and nutrients to coastal

zones. Changes in the amount of water moving from

upland catchments into river systems usually result in

changes in dissolved elemental fluxes as well (Neill

et al., 2006), particularly for cases where hydrological

transport of solutes in soils and groundwater is the

limiting factor (e.g. carbonate mineral dissolution;

Raymond et al., 2008).

The vegetation and organic carbon stocks of

floodplain ecosystems tend to be sensitive to partic-

ularly severe floods or dry periods, which can create

new vegetation successional processes (e.g. forest

dieback or plant colonisation of emergent sediments).

Droughts and fires can rapidly eliminate years of

organic matter accumulation in normally saturated

soils or sediments, as has recently been documented in

Indonesian peatlands (Ballhorn et al., 2009), and may

also release methane stored as occluded gas bubbles.

Changes in salinity, tidal influence and marine

storms

Salinity is a powerful agent of change in ecological

and biogeochemical processes, and in coastal zones,

the boundary between saline and fresh waters usually

involves regular or episodic seawater penetration (see

below). Inland waters also can become seasonally

saline by evaporative concentration, typically accom-

panied by dramatic shifts in biotic composition and

production, sediment-water exchanges and nutrient

cycling. Salinisation via evaporative concentration is

particularly common in arid and semi-arid climates,

but can also occur to some degree in more humid

climates where broad shallow pools remain isolated

after floodplain inundation (Talling & Lemoalle,

1998). Changes in landscape water balances can

change the distribution and timing of salinisation of

surface waters (Timms, 1999; Hamilton et al., 2005).

In addition, some dryland regions are prone to

secondary soil salinisation when land cover changes

from woodland to grassland or crops, which alters the

soil hydrology such that naturally existing soluble

salts are displaced from deeper soils towards the

surface (Abrol et al., 1988).

Where large rivers flow into oceans, climate

change will have profound implications for biogeo-

chemical processes at the freshwater/seawater inter-

face because gradients of salinity are fundamentally

important to ecosystem structure and function

(Bianchi, 2007). River deltas reflect the balance

between fluvial inputs and marine influences including

particularly sea level rise, and modern deltas have

formed during the current period of relatively stable

sea levels, since sea level rise decelerated in the lower

Holocene (Ericson et al., 2006). Day et al. (2008)

consider three classes of drivers of importance to

coastal wetlands, in general, all of which apply to

tropical systems and are potentially affected by climate

change: sea level rise, changes in storm frequency and

duration and changes in freshwater and sediment

inputs. These drivers interact to structure the geomor-

phology and ecology of coastal wetlands, including

freshwater portions of river deltas as well as coastal

zones in the area of influence of river discharge and

sediment loading, which can extend a considerable

distance from large river mouths. Tropical river

systems include very extensive coastal deltaic

wetlands, such as the deltas of the Amazon, Orinoco

and La Plata rivers in South America, the Ganges-

Brahmaputra and Irawaddy rivers in Asia and the Gulf

of Carpenteria region in northern Australia.

Estuarine and coastal wetlands and floodplains

usually exist across freshwater–seawater interfaces,
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reflecting a precarious geomorphological and ecolog-

ical setting developed over several 1,000 years of

relatively stable sea levels. The most certain predic-

tion of how climate change will affect ecosystems

across these salinity gradients is via sea level rise,

although as noted above the projected timing and

magnitude of sea level rise remain a topic of debate.

Increased intensity of tropical storms is another

relatively confident prediction derived from climate

change models. These two drivers interact because

storm surges will penetrate further inland with higher

sea levels. Effective sea level rise from a combination

of climate change and land subsidence results in

inundation of coastal wetlands, seawater intrusion

into surface and groundwater, and increased vulner-

ability to storm surges (Ericson et al., 2006). Inland

migration of these coastal ecosystems will not always

be possible in the face of natural geomorphological

barriers as well as anthropogenic land use that is

often intense along coasts. The floodplains of the

Mary River in northern Australia near Darwin are an

example where modest changes in topography

allowed salinity intrusion via tidal creeks that

dramatically altered coastal freshwater wetlands,

killing vast stands of paperbark trees (Melaleuca

spp.; Knighton et al., 1991).

Changes in river hydrological regimes are a

complicating factor that can interact with rising sea

levels. The complex and interactive effects of storm

surges, discharge variability and river channel

modifications are exemplified by the Mekong River

delta (Wassmann et al., 2004). Decreased discharge

(especially during low-discharge periods) worsens

the impacts of salinity intrusions. Increased river

discharge as a result of climate change could help

reduce salinity intrusion and may be associated with

higher sediment loads that foster vegetation growth

(including particularly mangroves) and land accre-

tion, which in turn may counteract the effects of

rising sea levels and provide more protection from

storms (Day et al., 2008).

Decomposition rates are lower in fresh waters than

brackish waters of comparable hydrology (Craft,

2007), and any seawater influence can elevate the

importance of sulphur biogeochemistry including

sulphate reduction. Low-lying coastal land that is

most subject to flooding by sea level rise may contain

former marine sediments known as acid sulphate

soils, and when rewetted such sediments can produce

acidic conditions associated with oxidation of sul-

phide minerals, with negative impacts on freshwater

and terrestrial biota (Fitzpatrick & Shand, 2008).

Sulphur-linked production of acidity and mobilisation

of toxic metals such as Al has been documented in

tropical catchments of northern Australia where it is

associated with freshwater fish kills (Hart & McKelvie,

1986) as well as negative impacts on coastal marine

biota where rivers drain into the Great Barrier Reef

ecosystem (Powell & Martens, 2004).

Riverine transport of nutrients to the oceans, which

is susceptible to alteration with changes in river

hydrological regimes and in the ecosystems they

drain, affects marine primary production in coastal

waters. Nitrogen delivery is particularly important to

coastal marine production (Cotrim da Cunha et al.,

2008). Phosphorus, silicon and iron fluxes also affect

marine primary production, with effects potentially

extending far from river mouths (Subramaniam et al.,

2008). Also, deoxygenation of coastal waters is

promoted by riverine contributions of nutrients to

support phytoplankton growth and of detrital organic

carbon, both of which lead to increased respiratory

oxygen demands (Cotrim da Cunha et al., 2008).

Changes in mineral dissolution and precipitation

Figure 3 includes several specific chemical weath-

ering processes that are directly influenced by

temperature and dissolved CO2, and are of interest

due to their biogeochemical implications. Dissolution

of minerals responds to increased temperature as well

as to pH (White & Blum, 1995), and in most natural

waters pH tends to be inversely proportional to

dissolved CO2 because CO2 reacts in water to

produce carbonic acid.

Chemical weathering of silicate minerals is of

particular interest as it represents a long-term sink for

atmospheric CO2, and because it is the source of base

cations, alkalinity and dissolved silicate in river

waters. Silicate is of particular interest because its

availability affects the growth of diatoms, which are

ubiquitous and abundant forms of algae in fresh and

marine waters. Tropical rivers account for *70% of

global silicon fluxes from land to oceans (Jennerjahn

et al., 2006). Silicate mineral dissolution increases

with temperature and carbonic acid in water that

contacts soils and rocks, and thus the concentrations
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of dissolved silicate as well as base cations and

alkalinity transported to surface waters may be

expected to increase in a warmer and CO2-enriched

climate. However, changes in erosion rates and

hydrologic flows through soils and rocks are also

likely to be important controls on riverine export of

solutes from silicate weathering (Kump et al., 2000;

Jennerjahn et al., 2006; Subramanian et al., 2006).

Carbonate mineral weathering is less common in

many highly weathered tropical landscapes, but is

important to riverine chemistry even where only

modest amounts of limestone or dolomite exist,

strongly affecting the dissolved inorganic carbon and

alkalinity concentrations in river waters. In contrast to

silicate minerals, carbonate minerals are less soluble at

higher temperatures, but more soluble with increased

dissolved CO2 (Kump et al., 2000), and their solubility

is more likely to be transport-limited (i.e. limited by

rate of hydrologic flow through soils and ground water

reservoirs). Hence, the net impacts of interacting

increases in temperature and CO2 plus accompanying

hydrological changes on carbonate mineral weathering

are hard to determine.

Subsequent precipitation of calcium carbonate in

lakes and marine environments is subject to similar

controls, with aquatic metabolism acting as an impor-

tant regulator of dissolved CO2 concentrations in

productive fresh waters. Secondary carbonate precip-

itation in surface waters has numerous biogeochemical

implications, affecting phosphorus and trace metal

cycling (Kelts & Hsü, 1978; Hamilton et al., 2009).

Many large tropical river systems in humid climates,

including the Amazon, Paraná and Orinoco rivers,

carry waters that are dilute in dissolved ions and

highly supersaturated with dissolved CO2, and

therefore are not subject to secondary precipitation

of calcium carbonate in their freshwater reaches

(Kempe, 1982; Oliveira et al., 2010).

Changes in carbonate dissolution and precipitation

impact carbon and other biogeochemical cycles

directly, but, in addition, they affect calcification by

molluscs in fresh waters of rivers and floodplains,

where these organisms can play pivotal roles as

grazers of phytoplankton and attached algae (Strayer

et al., 1999). Relatively acidic fresh waters in some

tropical floodplains including a number of rivers in

the Amazon River system support low species

diversity of molluscs, possibly reflecting the diffi-

culty of biogenic calcification in such waters (Dillon,

2000; Oliveira et al., 2010). In marine environments,

the acidifying effect of increased CO2 overrides the

counteracting effect of increasing temperatures, pro-

ducing potentially severe implications for calcifying

organisms including corals and plankton (Raven,

2005).

Conclusions

The prospect of anthropogenically driven global

climate change has many potential implications for

biogeochemical processes in tropical rivers and

floodplains. The most important changes are likely

to involve (Fig. 3):

(1) Aquatic thermal regimes, with implications for

thermal optima of plants and animals, rates of

microbially mediated biogeochemical transfor-

mations, density stratification of water bodies

and dissolved oxygen depletion.

(2) Hydrological regimes of discharge and flood-

plain inundation, which determine the ecolog-

ical structure and function of rivers and

floodplains and the extent and seasonality of

aquatic environments.

(3) Freshwater–seawater gradients where rivers

meet oceans, affecting the distribution of

marine, brackish and freshwater environments

and the biogeochemical processing of river

water reaching the coastal zone.

These changes will, however, be affected by

complex human interactions and feedbacks which

are difficult to forecast. In river systems that expe-

rience decreasing or more variable hydrological

regimes, water withdrawals are likely to increase,

further exacerbating the hydrologic changes (Alcamo

et al., 2007; Kundzewicz et al., 2008). Tropical

regions predicted to suffer the greatest water stress

for human populations include southern Mexico,

northeastern Brazil, parts of northern and southern

Africa, and India, driven particularly by increased

human demands, with climate change a secondary

factor that alleviates increased demand in some cases

(Alcamo et al., 2007). Important stressors that can act

synergistically with climate change include popula-

tion increases and urbanisation. These need to be

considered in developing strategies for adaptation to

climate change (Palmer et al., 2008).
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Future research should strive to improve detection

of current trends and projection of future changes in

catchment and river hydrology, with greater attention

to climate feedbacks and human interactions. Lim-

nological research should include sustained monitor-

ing of thermal and mixing regimes not only in large,

deep lakes and rivers but also in the shallow and often

ephemeral waters of floodplains and wetlands. Ther-

mal optima and responses of microbes (and the

processes they mediate), plants and animals in the

upper temperature range (e.g. 30–40�C) is a topic that

deserves greater attention as well.
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Abstract Temporary rivers are characterized by

recurrent dry phases, and global warming will stress

their hydrology by amplifying extreme events. Micro-

bial degradation and transformation of organic matter

(OM) in riverbed sediment are key processes with

regard to carbon and nutrient fluxes. In this study, we

describe structural and functional changes of benthic

microbial communities in a riverine environment sub-

ject to hydrological fluctuation. Sampling was carried

out in the outlet section of the Mulargia River (Sardinia,

Italy) under various water regimes, including one flood

event. Overall, sediments were characterized by low

bacterial cell abundance (range 0.6–1.8 9 109 cell g-1)

as a consequence of their low nutrient and OM

concentrations. No major differences were found in

the community composition. Alpha-Proteobacteria

dominated during the whole year (range 21–30%)

followed by Beta-Proteobacteria, Gamma-Proteobac-

teria, and Cytophaga-Flavobacteria which always

contributed \18%. Planctomycetes and Firmicutes

were found in smaller amounts (\7%). In spring, when

the highest total organic carbon content was also

detected (0.42% w/w), both bacterial abundance and C

production (BCP, 170 nmol C h-1 g-1) reached rela-

tively high values. During the flood event, an increase in

BCP and the highest values of community respiration

(CR, 74 nmol C h-1 g-1) were observed. Moreover,

most of the extracellular enzyme activities (EEA)

changed significantly during the flood. The variation

of the water flow itself can explain part of these changes

and other factors also come into play. The presence of

different patterns of functional parameters could suggest

that the quality of the OM could be the major driving

force in nutrient flux.

Keywords Temporary rivers � Streambed Bacteria �
Bacterial Diversity � Microbial metabolic rates �
Water flow � Extracellular enzymes

Introduction

Recent research and observations of increases in

global average air and ocean temperatures have led

the Intergovernmental Panel on Climate Change

(IPCC, 2007) to conclude that warming of the

climate system is unequivocal. Because the saturation

vapor pressure of water in air is highly sensitive to

temperature, it is expected that global warming will

lead to perturbations in the global water cycle (Allen

& Ingram, 2002). At the continental, regional, and

ocean basin scales, numerous long-term climate
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changes were observed from 1900 to 2005, with an

increase in the occurrence of extreme events such as

increased drying and heavy precipitation (IPCC,

2007). Such changes can have a significant impact

on aquatic ecosystems by changing biological pro-

cesses that obey the physical and chemical principles

governing transformations of energy and materials

(Gillooly et al., 2001; Brown et al., 2004).

Temporary rivers are dominant in the Mediterra-

nean area and are characterized by a recurrent dry

phase of varying duration and spatial extent, usually in

summer (Guys & O’Keeffe, 1997). This seasonality

significantly changes the dominant processes through

the year (Kirkby, 2005) and makes these rivers

particularly vulnerable to anthropogenic pressure.

Temporary rivers have been exploited by mankind

for millennia because they represent an important

source of water in semiarid areas. Global warming is

going to impose increased stress on temporary rivers

by amplifying extreme weather events and by increas-

ing water scarcity associated with intense runoff and

flushing (Milly et al., 2005; Gallart et al., 2008).

Hence, environmental changes can affect the hydrol-

ogy of temporary rivers modifying the exploitation of

these systems (Guys & O’Keeffe, 1997; Baldwin &

Mitchell, 2000; Dahm et al., 2003). Although tempo-

rary rivers are widespread in semiarid regions world-

wide, few data are available about their hydrological

and biogeochemical characteristics. The majority of

temporary rivers are found in un-gauged basins, and

their geomorphologies differ from the traditional

geological norms on which watershed models are

based (Tzoraky et al., 2007).

The biogeochemical role of the riverine system in

the carbon cycle is typically to export C from

terrestrial systems to the ocean although a substantial

fraction is respired in freshwater ecosystems (Cole

et al., 2007). In different hydrologic conditions river

sediments can act as sink or source of nutrients

(Bernal et al., 2003; Butturini et al., 2003; Valett

et al. 1994). During dry periods, the ecological

processes are mainly restricted to sediments where

organic matter (OM) and pollutants accumulate and

mineralization rates decrease (Fonnesu et al., 2004;

Tzoraky et al., 2007; Amalfitano et al., 2008). After a

drought, the first rain flushes the sediments, and the

resulting remobilization of dissolved and particulate

OM affects the chemical characteristics of the

receiving water bodies, i.e., estuaries, reservoirs,

and lakes (Tzoraky & Nikolaidis, 2007; Tzoraky

et al., 2007).

The microbial degradation and transformation of

the OM deposited in the river channel bed is a key

process with regard to the C-flux in the lotic food web

(Fischer & Pusch, 2001; Findlay et al., 2003;

Mulholland, 2003). Via the microbial food chain,

complex organic substrates are solubilized in a series

of steps from particulate OM to high molecular

weight dissolved organic carbon and low molecular

weight substrates by the enzymatic hydrolysis

(Chrost, 1991). The OM thus enters the microbial

food chain and is ultimately remineralized to CO2

(Marxsen & Fiebig, 1993; Findlay et al., 2003). In

aquatic environments heterotrophic microbial com-

munities therefore represent the link between sedi-

mentary OM and the upper level of the community

comprising carnivores (Marxsen, 2006).

In temporary rivers, the high variability of hydro-

logical and physicochemical characteristics can

strongly affect microbial community composition

and functioning, thus indirectly determining changes

in the C-flux (Jones et al., 1995; Butturini et al., 2003;

Romani et al., 2006; Zoppini & Marxsen, 2010).

In the European Community, all water resources

must be managed to achieve the requirements of the

Water Framework Directive (WFD-2000/60/EC) and

to date, temporary rivers have posed a significant

challenge to the development of sustainable water

management plans. This study is part of the EU-funded

project TempQsim (EVK1-CT2002-00112) in which

seven catchments were investigated to improve the

understanding and modeling of water quality in

temporary rivers. Recent studies have described the

effect of the dry period on biogeochemical processes

and on metabolic rates of the benthic microbial

community under experimental conditions (Tzoraky

et al., 2007; Amalfitano et al., 2008; Fazi et al., 2008;

Marxsen et al., 2010). What is still needed is a

description of the microbial metabolic rates under

natural conditions. To this end, we investigated the

response of the benthic microbial communities of the

Mulargia River (Italy) in terms of structural and

functional parameters, under varying seasonal condi-

tions ranging from baseline water flow to flood. In

particular our aim was to analyze the variability of

bacterial communities in a variable environment to

provide information on how hydrology can drive

C-flux mediated by microbial community.
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Materials and methods

Study site and sediment characterization

The Mulargia River is a second-order temporary river

representative of the semiarid Mediterranean Region

(Fonnesu et al., 2004; Gallart et al., 2008) located in

southeastern Sardinia Island (Italy; 39�380N,

09�110E). The main reach has a length of 18 km,

with a catchment extension of 64.76 km2, spanning

an elevation range from 250 to 750 m. The river

network has an overall length of around 44 km, and

the distance from the origin of the stream to the outlet

in the Mulargia reservoir is 18 km. The Mulargia

River is one of the main tributaries of the Flumendosa

River, which supplies a large majority of the water

distribution network of southern Sardinia for civil,

agricultural, and industrial purposes. The vegetation

is typical for low and high Mediterranean macchia.

The Mediterranean climate in the area is character-

ized by an average annual rainfall of 535 mm mostly

in autumn and winter. In summer, the temperature

can rise to 40�C. Flood events play an important role

in the transport of suspended solids and dissolved

nutrients (Lo Porto et al., 2006), although the first

flushes account for only 10% of total annual flow.

Based on monthly flows measured between 1992

and 2004 by Ente Acque Sardegna, three hydro-

graphic periods can be highlighted for Mulargia

River: (i) the rainy period, from December to April,

characterized by ‘‘regular’’ monthly flows ranging

from 1 to 3 9 106 m3 (0.4–1.2 m3 s-1); (ii) a dry

period, from July to September, characterized by

‘‘very low’’ monthly flows around 50 9 103 m3

(0.02 m3 s-1); and iii) an intermediate period, in

May, June, October, and November, with ‘‘low’’

monthly flows ranging from 0.3 to 1 9 106 m3

(0.1–0.4 m3 s-1).

Water quality characteristics were determined in a

parallel study in the period from September 2003 to

June 2004, through analyses of inorganic nutrients,

particulate P and N and OM concentration in samples

collected by an automatic sampling station. Data

(provided by Hydrocontrol S.C.R.L., Italy) showed a

high variability in water quality, especially for

dissolved OM (range 0.06–2.00 g l-1, cv 90%),

particulate phosphorous (range 0.01–12.60 mg l-1,

cv 226%), and nitrogen (range 0.04–148.60 mg l-1,

cv 203%).

In this study we performed bimonthly samplings

from January to September 2004 including periods of

regular (January and March), low (May), and very

low water flow (July and September). An additional

sampling was carried out in February 2005 during a

flood event.

Sediment samples were collected in the outlet

section just upstream of the Mulargia reservoir. The

uppermost oxic layers (0.5–2 cm) of three homoge-

neous patches were sampled with a plastic scoop and

immediately sieved by a 2-mm mesh (Amalfitano

et al., 2008). Chemical and biological measurements

were performed on the fine sediment fraction

(\2 mm) where the majority of microbiological

activities take place (Goedkoop et al., 1997; Fischer

& Pusch, 2001; Hubas et al., 2006). Separation of the

fine fraction by sieving can be regarded as a physical

normalization to reduce the difference in the granu-

lometric composition of the sediment and to exclude

the macrofauna. The sieved fraction was stored in

polycarbonate acid washed buckets (3 dm3) and kept

refrigerated (4�C) until the beginning of the analyses,

within 24 h.

Grain-size distribution was determined in accor-

dance with the soil textural triangle (Gerakis & Baer,

1999). Sediment OM content (ash-free dry weight—

AFDW) was determined by subtracting ash weight

(500�C, 3 h) from dry weight (105�C, overnight).

Total organic carbon (TOC) and total nitrogen (TN)

concentrations were determined using a Carlo Erba

NA 1500 CHN Analyzer. Subsamples were acidified

with 2 N HCl for TOC analysis. Total (TP) and

organic phosphorous (TOP) were determined by

spectrophotometry (Lambda BIO 20, Perkin Elmer).

All analyses were performed in triplicate, and values

are expressed as a percentage of dry weight (w/w).

Bacterial abundance and community composition

All sediment samples were treated to detach cells

from particles for accurate cell quantification by

epifluorescence microscopy. The extraction treat-

ments were performed according to the protocol

proposed by Amalfitano & Fazi (2008), which is

reported to be particularly efficient for analyses of

fine sandy sediments. Briefly, 1 g of sediment

(duplicates) was fixed in formaldehyde solution (final

concentration 2.0%), and amended with Tween 20

(final concentration 0.5%) and sodium pyrophosphate
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(1 g l-1 final concentration), resulting in 10 ml

sediment slurry. The slurry was then shaken and

sonicated (20 W for 1 min; Microson XL2000 ultra-

sonic liquid processor with 1.6-mm-diameter micro-

tip probe, Misonix, NY, USA). Thereafter, 1 ml of

the resulting slurry was transferred to a 2-ml Eppen-

dorf tube, and 1 ml of the density gradient medium

Nycodenz (Nycomed, Oslo, Norway) was placed

underneath using a syringe needle. High-speed cen-

trifugation was performed in a swing-out rotor for

90 min at 4�C. Nycodenz-purified subsamples (0.5–

1 ml) were filtered on 0.2 lm polycarbonate mem-

branes (47 mm diameter, Nuclepore) by gentle

vacuum (\0.2 bar) and washed with 10–20 ml of

sterile ultrapure water. One section of each filter was

stained for 20 min with DAPI (1 lg ml-1 final

concentration) and the remaining filter was stored at

-20�C for further Fluorescence In Situ Hybridization

(FISH) analysis. In order to prove the effectiveness of

the above-described extraction procedures, as sug-

gested by Amalfitano & Fazi (2008), the remaining

sediment slurry (9 ml) was left overnight at 4�C,

allowing the coarse particles to settle. Three aliquots

(0.1 ml) of the supernatant obtained after the over-

night settling were stained for 20 min with DAPI

(1 lg ml-1 final concentration) and collected on

black filters (pore size 0.2 lm, 25 mm diameter,

Nuclepore Corporation, Pleasanton, CA, USA). Bac-

terial abundance (BAB) was determined by epifluo-

rescence microscopy in both the Nycodenz purified

and unpurified slurry. Because (i) the abundance of

cells, expressed per gram of dry sediment (cells g-1),

did not differ before (data not shown) versus after

Nycodenz purification and (ii) the purification

remarkably reduced the occurrence of abiotic parti-

cles allowing the straightforward visualization of

cells, the bacterial abundance was estimated by

counting on FISH-stained filter sections after Nyco-

denz purification (n = 12).

The bacterial biomass (BB) was determined by con-

sidering a per-cell C content of 40 fg, as experimen-

tally determined in the same environment (Amalfitano

et al., 2008). For community composition, additional

filter sections were analyzed by Fluorescence In Situ

Hybridization (FISH), in accordance with the protocol

of Pernthaler et al. (2001). The following oligonu-

cleotide probes were utilized: EUB338, EUB338-II,

and EUB338-III, targeted to most Bacteria; ALF968,

BET42a, and GAM42a, specific for the Alpha-, Beta-,

and Gamma- Proteobacteria subclasses, respectively;

CF319a for Cytophaga-Flavobacterium; PLA46a for

Planctomycetales; and LGC354abc for Firmicutes

(Gram-positive bacteria with low GC content). Further

details on the above-mentioned probes are available at

probeBase (Loy et al., 2003). All probes, 50-labeled

with Cy3 dye, were commercially synthesized (Bio-

mers.net, Ulm, Germany). Data are expressed as

percentage of total DAPI-stained cells.

Bacterial carbon production

Bacterial carbon production (BCP) was estimated with

[3H]leucine incorporation measurements following

the method proposed by Buesing & Gessner (2003),

in combination with the microcentrifugation technique

proposed for water samples by Smith & Azam (1992)

and applied to soil by Bååth et al. (2001). Wet

sediment (0.5 g, four replicates) was transferred into

2-ml screw-cap heat-resistant Sorensen microcentri-

fuge tubes (Sorenson Bioscience, Salt Lake City, UT,

USA). Milli-Q water was added to create a final

volume of 1 ml in all tubes. An aqueous solution of

radioactive leucine [50 lM: unlabeled, 49.85 lM final

concentration (L 8912, Sigma–Aldrich); [3H] labeled,

0.15 lM final concentration (NEN Life Science

Products, Boston, Massachusetts, USA)] was added

to three replicates of each sediment sample. A

preliminary test showed that leucine saturation was

reached in all sediment samples at a final concentration

of 50 lM. Zero-time controls were run by killing

samples with 100% trichloroacetic acid (TCA, 5%

final concentration), 15 min before leucine addition.

Tubes were homogenized by vortexing and incubating

(1 h) at 20�C in the dark. Incubations were stopped by

adding 100% TCA (5% final concentration). All tubes

were centrifuged at 14,000 rcf for 10 min at room

temperature. The supernatant was discarded to sepa-

rate macromolecules from the non-incorporated label.

Four washing steps were then performed adding 1 ml

of 5% TCA, unlabeled leucine solution (40 mM), 80%

ethanol, and Milli-Q water, respectively. To extract

protein, 1 ml of NaOH (1 N) was added to the pellet,

and the tubes were heated (1 h at 90�C), cooled down,

and recentrifuged. The supernatant (0.1 ml) was

transferred into a 2-ml Eppendorf tube, 1 ml of liquid

scintillation cocktail (Ultima Gold, Packard Biosci-

ence, Meriden, CT, USA) was added, and radioactivity

was detected with the TRICARB 4430 (Packard
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Bioscience) scintillation counter. The rates of leucine

incorporation were converted into units of C per

sediment dry weight (lg C h-1 g-1) by applying the

conversion factor of 1.44 kg C produced per mole of

incorporated leucine (Buesing & Marxsen, 2005).

Considering the exponential growth model (Koch,

1994) and the total biomass (B), bacterial growth rates

(l = ln((BB ? BCP)/BB)/h) and turnover times

(T2 = (ln 2)/l) were calculated. The per-cell specific

production (BCPs in fg C h-1 cell-1) was computed by

dividing C production by cell abundance.

Respiration of benthic microbial communities

Aerobic respiration of the benthic microbial commu-

nity (CR) was assessed by measuring the oxygen

consumption of sediments enclosed in incubation

chambers. This method has been used in the upper-

most sediment layer of semiarid streams (Jones et al.,

1995; Uehlinger et al., 2002). The choice of the

method for respiration rate measurements is tricky

because a series of constraints, including interference

by algae, the disruption of microbial communities,

and excessive manipulation of the sample (Döring,

2007). Consequently this procedure does not repro-

duce exactly the in situ respiration, but it gives a

valuable estimate of the total sediment mineralization

rates and permits comparison among samples. In

addition, it should be considered that in our sedi-

ments, CR most likely represents microbial respira-

tion (Törnblom, 1996; Goedkoop et al., 1997;

Bastviken et al., 2003; Hubas et al., 2006), and the

sandy nature of our samples (see the granulometric

analysis below) reduces the contribution of algae

(Romani & Sabater, 2001).

Aliquots (*400 g w/w) of sieved sediment were

utilized to fill the lowest halves of two replicated

respiration glass chambers (54 mm 9 300 mm). The

rest of each chamber was subsequently filled with

dissolved oxygen (DO)-saturated river water

(*300 ml) passed through acid washed 0.2 lm

Nuclepore filters to remove particulate matter. Each

whole chamber was carefully weighed in addition to

the empty chamber, the sediment, and the water. The

chambers were sealed, inverted several times, and

opened to allow any air trapped in the sediments to

escape. The stopper was removed cautiously to

measure the concentration of DO and temperature

using a DO-meter (WTW oxi 330, probe cell oxy

325), and the chamber was resealed again. The

chambers were then set down horizontally, gently

distributing the sediment within. The incubation,

which lasted at least 2 h, was performed in the dark at

in situ temperature. The duration of the incubation

depended on the metabolic activity of the sediments

and was prolonged until a decline of C1 mg l-1 was

observed. After incubation the final dissolved oxygen

concentration was measured by the DO-meter. CR

was calculated as dissolved oxygen depletion versus

time per unit of dry weight of sediment and then

transformed into C units, assuming a respiratory

quotient (RQ) of 1.

The bacterial growth efficiency (BGE) is fre-

quently used to describe what proportion of the

assimilated carbon is used for biomass production or

to meet energy demands by the benthic microbial

community (Törnblom, 1996; Goedkoop et al., 1997;

Bastviken et al., 2003). BGE was calculated as BCP/

(BCP ? CR), with (BCP ? CR) representing the

total biological organic carbon demand in the oxic

environment.

Extracellular enzyme activities

Extracellular enzyme activities (EEA) in sediments

were determined spectrofluorometrically (Jasco, FP-

6200 spectrofluorometer) using fluorescent substrates.

Organic substrates (organic phosphorous, proteins,

lipids, derived cellulose organics) were selected to

model the common constituents of sinking OM. All

activities were measured at saturating concentrations

of substrate (final concentrations: leucine-4-AMC,

1 mM; 4-MUF-P-phosphate, 0.3 mM; MUF-beta-D-

glucopiranoside, 0.5 mM; 4-MUF-oleate, 0.5 mM)

following the procedure proposed by Wobus et al.

(2003). Incubations were performed in the dark for 1 h

(1.5 h for aminopeptidase) at in situ water temperature

under continuous shaking. Substrate blanks were also

incubated after boiling the sediments at 100�C for

20 min. After incubation, 1 ml of glycine buffer

(0.1 M, pH 10) was added to the phosphatase, beta-

glucosidase, and lipase assay, and 1 ml Hepes buffer

(0.1 M, pH 7.5) to the aminopeptidase assay. Samples

were centrifuged at 7,000 9 g at 6�C for 10 min. The

fluorescence was measured in the supernatant and

corrected for the fluorescence of blanks. The hydro-

lysis rates were calculated after calibration of the

spectrofluorometer with a standard alkaline solution of
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AMC (7-amino-4-fluoromethyl-coumarin) or MUF

(4-methyl-umbelliferone).

Statistical analysis

Bivariate relationships between different parameters

were examined using the Pearson correlation (r).

Principal components analysis (PCA) was performed

with the Statistica 7.0 software package (StatSoft

Inc., Tulsa, OK). A PCA biplot was calculated using

all parameters related to the influence of benthic

prokaryotes on C transformation (AFDW, Bacterial

Biomass, Bacterial Growth Efficiency, Growth Rate,

Doubling Time, Community Respiration) as active

variables. Moreover, to better synthesize the matrix

of microbiological data, metabolic activities (AMA,

APA, lipase, beta-glu) and the percentage abundance

of main taxa characterizing the community compo-

sition (Alpha-, Beta-, Gamma-Proteobacteria) were

used as supplementary variables. All variables were

normalized using division by their standard devia-

tions, and the biplot was computed by the data

correlation matrix.

Results

Water and sediment characterization

The variability of the water flow, temperature, and

conductivity during the survey are shown in the

Fig. 1. The measured flows are coherent with the

average historical monthly flows (see above), except

for February 2005, when repeated rains gave rise to a

peak flow of 6.2 m3 s-1. During the entire survey

the temperature of the water changed significantly

(range 8.5–28.8�C), as did the conductivity (range

128–1,814 lS cm-1).

On average sediment samples were classified as

coarse sand and composed of sand (80% coarse and

15% fine sands), clay (\2%), and silt (3%). The

chemical composition of the sediments is reported in

Table 1. Overall nutrients and OM concentrations

with the exception of P, which was rather stable,

decreased from winter to summer (from regular to

very low flow) with the exception of the flood, when

almost all parameters increased significantly. Ash-

free dry weight varied between 1.80% (January)

and 0.41% w/w (September). TOC decreased

significantly, from 0.42% (March) in conditions of

regular flow to 0.08% w/w (July) during very low

flow. TN decreased from 0.06% (January) to 0.01%

w/w (July), but increased about tenfold during the

flood (February, 0.24%). TP showed limited changes

between sampling periods (0.03 ± 0.004%), whereas

TOP showed the smallest contribution in January

(0.005%) and a constant value during the other

samplings (0.012 ± 0.004%) (Table 1).

Microbial community structure and activity

Bacterial abundance showed a mean value of

0.9 9 109 ± 0.5 9 109 cells g-1. The highest bacte-

rial abundances were observed in different environ-

mental conditions in March (1.8 9 109 cell g-1) and

September (1.0 9 109 cell g-1) (Fig. 2a). In winter

(January and February), the bacterial abundance

assumed similar values in the lowest range (6.0 and

5.7 9 108 cell g-1), although samplings were per-

formed under different water flow conditions.

The percentages of cells hybridized by the generic

probe targeting Bacteria (EUB I-III) ranged from 61

to 79%. At the division level, Alpha-Proteobacteria

dominated over the other taxa during the whole year

of sampling, with percentages of DAPI-stained cells

varying from 30.2 ± 2.1% (January) to a minimum
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of 21.3 ± 3.0% (February) (Fig. 2b). Relatively high

percentages of Beta- (18.3 ± 1.4%; February) and

Gamma-Proteobacteria (15.7 ± 0.2%; March) were

also detected. Cytophaga-Flavobacterium (range

12.0–2.3%), Planctomycetes (range 7.7–3.0%), and

Firmicutes (range 0.45–0.35%) were each found in a

smaller amounts. It is interesting to note that cells

detected by the probes EUB I-III were almost

completely characterized by the use of six generic

probes in winter samples. In the other sediment

samples, up to 30% of Bacteria remained unaffiliated

(Fig. 2c).

Bacterial carbon production (Fig. 3a) varied sig-

nificantly, showing the highest rate in spring, under

regular flow conditions (March, 170 ± 9 nmol

C g-1 h-1). The minimum rates were observed in

summer under very low flow conditions (July,

69 ± 4 nmol C g-1 h-1). The per-cell BCP (BCPs)

showed the lowest values at regular and very low

flow (March and July, 0.09 f mol C h-1 cell-1), with

a significant increase during the flood event (0.27

f mol C h-1 cell-1). The turnover time (T2)

decreased to the lowest value (9.7 h) in February,

whereas in July we observed the maximum value

(27.9 h).

Mineralization processes were measured by utiliz-

ing incubation chambers, which provide a rough

estimate of community respiration (CR) rates in

response to a complex and dynamic system (Fig. 3a).

CR rates showed low variability during the study

period (mean 18.2 ± 7.7 nmol C g-1 h-1), with the

exception of the peak value registered during the

flood (February, 74.7 nmol C g-1 h-1). The mea-

surements of BCP and CR allowed us to estimate

BGE, assuming that in the fraction of sediments

\2 mm in size, microbial contribution to respiration

is dominant (Goedkoop et al., 1997; Fischer & Pusch,

2001; Hubas et al., 2006). In this study, BGE always

assumed values [0.6. Environmental changes

resulted in relatively low efficiencies in July and

February (0.6 and 0.7, respectively), when environ-

mental conditions differed significantly in terms of

flow, temperature, conductivity, and nutrients.

The potential hydrolysis of phosphorylated organic

compounds (APA) and proteinaceous material (AMA)

represented the dominant extracellular enzymes in

most of the samples (Fig. 3b). APA showed the

highest activity in spring, in concomitance with

regular flow conditions (March, 140.5 ± 4.2 nmol

MUF h-1 g-1), whereas the highest AMA was found

during the flood (February, 160 ± 11.2 nmol

MCA h-1 g-1). Overall the lowest EEA were found

in winter under regular flow conditions (January). On

average, changes in lipase and beta-glucosidase

activities indicated that the hydrolysis of lipids and

polysaccharides assumed minor importance for the

benthic microbial community, making a more limited

contribution. The only exception was observed during

the flood (February), when beta-glucosidase activity

represented the highest hydrolytic rate (178.7 ±

14.7 nmol MUF h-1 g-1). In this study, correlation

analysis showed that APA accounted for 80% of BAB

variability (P \ 0.05), and AMA determined 91% of

BCP variability (P \ 0.05). Moreover, lipase and

beta-glucosidase activities were associated with CR

rates (r = 0.92 and 0.91, P \ 0.01).

In synthesis, patterns related to microbial C

transformations and the relationships of these patterns

to microbial community composition are summarized

in a PCA biplot (Fig. 4). PC1 and PC2, respectively,

explained 63.5 and 24.1% of the variation of C

transformation in sediments collected during the

survey. The PC1 axis mainly discriminates the spring

conditions combined with regular flow (March), with

Table 1 Ash-free dry weight (AFDW), total organic carbon (TOC), total nitrogen (TN), total phosphorous (TP), and total organic

phosphorous (TOP) mean contributions (± SD; n = 3) to the Mulargia sediments, expressed as percentage of dry weight (w/w)

Sampling date AFDW % TOC % TN % TP % TOP %

January 19, 2004 1.80 ± 0.35 0.24 ± 0.04 0.06 ± 0.02 0.033 ± 0.004 0.005 ± 0.002

March 26, 2004 0.36 ± 0.13 0.42 ± 0.01 0.05 ± 0.01 0.033 ± 0.002 0.012 ± 0.008

May 26, 2004 0.80 ± 0.15 0.21 ± 0.02 0.04 ± 0.00 0.033 ± 0.004 0.016 ± 0.010

July 20, 2004 0.86 ± 0.26 0.08 ± 0.01 0.01 ± 0.00 0.038 ± 0.016 0.015 ± 0.015

September 29, 2004 0.41 ± 0.28 0.14 ± 0.01 0.03 ± 0.00 0.032 ± 0.005 0.007 ± 0.005

February 9, 2005 1.56 ± 0.30 0.28 ± 0.03 0.24 ± 0.08 0.041 ± 0.004 0.010 ± 0.006
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high values of biomass, from winter conditions

combined with flood conditions (February), with

high values of CR. Such catabolic functions were

associated with specific microbial groups (i.e., Beta-

Proteobacteria) and enzymatic activities. The PC2

axis distinguishes conditions limited by nutrients
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period (APA = alkaline phosphatase; AMA = aminopepti-

dase; beta-glu = beta-glucosidase). All data are expressed

per gram of dry sediment. Error bars indicate standard
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Fig. 2 Structural parameters of the benthic bacterial commu-

nity. a Bacterial cell abundance per gram of dry sediment and

relative contributions of the six analyzed taxa (ALF1b = Alpha-

Proteobacteria; BET42a = Beta-Proteobacteria; GAM42a =

Gamma-Proteobacteria; CF319a = Cytophaga-Flavobacterium;

PLA46a = Planctomycetales; LGC354abc = Firmicutes). Error

bars indicate the standard deviation of total DAPI-stained cells,

calculated by counting on FISH-stained filter sections (n = 12).

b Taxonomic composition, expressed as percentages of total

DAPI-stained cells. Errors bars indicate the range of duplicates.

c Taxonomic composition expressed as percentages of bacterial

cells hybridized by the probe EUB I-III. Values are means of

duplicate analyses

b

44 Reprinted from the journal

(a)

C
el

l a
bu

nd
an

ce
 (

ce
ll 

g-1
)

0

1x109

2x109

3x109
ALF1b
BET42a
GAM42a
CF319a
PLA46a
LGC354abc
not-identified

(b)

%
 o

f 
to

ta
l c

el
ls

0

10

20

30

40

(c)

Ja
n0

4

M
arc

h0
4

M
ay

04

Ju
ly0

4

Sep
t04

Feb
05

%
 o

f 
B

ac
te

ri
a 

ce
lls

0

20

40

60

80

100

Hydrobiologia (2010) 657:37–51

123



(i.e., OM quality in February or P in March) from

those characterized by relatively balanced nutrient

conditions (January and May). Interestingly, the

percentage of Alpha-Proteobacteria was associated

with a relatively high value of BGE, whereas high

values of biomass were related to a more intense

APA and increasing dominance of Gamma-

Proteobacteria.

Discussion

In this study we described variabilities among the

benthic microbial communities living in a temporary

river subject to drastic changes. Our sampling

strategy allowed us to analyze communities under

different seasonal conditions of water flow. The

structural parameters of the microbial community

(cell abundance and community diversity) showed

reduced variability with respect to functional charac-

teristics. The variation of the water flow itself can

explain part of these changes and other factors also

come into play.

In this survey, we identified different scenarios

that can significantly affect the basic nutrient flux in

this ecosystem.

In winter, we observed different microbial

responses to flow changes. The most significant

variations were observed with EEAs: at regular flow,

EEAs were significantly reduced whereas during a

flood event, the significant increase of EEAs was

associated with the increase of TOC, TN, and TP

content in sediments (0.28, 0.24 and 0.041%, respec-

tively). High values of BCPs were also observed

during the flood, in the presence of a less abundant

bacterial community, along with low values of BGE.

These high metabolic rates produced fast bacterial

turnover time (less than one half of one day). The

differences observed between these two winter sam-

plings can be attributed to the different qualities of

the OM transported by the river flow since rapid

hydrological changes imply high variability in OM

and nutrient availability (Holms et al., 1998; Tzoraky

& Nikolaidis, 2007). Unfortunately, we do not have

much information on the OM composition in this

sediment, but it is known that during floods a large

transport of allochthonous OM occurs in this river

(Lo Porto et al., 2006). As a matter of fact, the

episodic flood events are the major source of

the transport of the total suspended solids into the

Mulargia reservoir and of 50% of the annual TN and

TP inputs.

In spring the highest concentration of TOC

(0.42%) sustained the highest values of BCP and

bacterial abundance, with consequent low specific

BCP rates and high turnover time (one day). Taking

into account that in this season photosynthetic

biomass and activity are highly stimulated (Wilczek

et al., 2005), we can suppose a significant contribu-

tion of autotrophic metabolism in fueling the bacte-

rial community with labile organic substrates. The

high APA rates could support this hypothesis because

this activity is also associated with the autotrophic

compartment (Hoppe, 2003; Wilczek et al., 2005).

In summer, relatively low BCP and BCPs rates

resulted in the longest turnover time ([1 day). The

minimum water flow and the lack of precipitation

may also cause a reduction in the input of nutrients

and in the renewal of labile OM, consumed as the

season progresses, becoming limiting in summer. The

low TOC content (0.08%) registered in this period

could support this hypothesis. This condition is
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Fig. 4 Biplot of the PCA carried out via the data correlation

matrix. All variables were normalized by their standard

deviations. Ash-free dry weight (AFDW), bacterial biomass

(BB), bacterial growth efficiency (BGE), growth rate (l),

doubling time (T2), and community respiration (CR) were used

as active variables. Enzyme activities—alkaline phosphatase

(APA), beta-glucosidase (beta-glu), aminopeptidase (AMA),

and Lipase—and the percentages of Alpha-, Beta-, and

Gamma-Proteobacteria were projected onto the factor space

as supplementary variables
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typical of the semiarid Mediterranean region, in

which sediment can become completely dry in the hot

season. Unfortunately, we did not have the chance to

sample the sediment during a no-flow period as the

summer of 2004 was unusually wet. In parallel

laboratory experiments where Mulargia River sedi-

ments were brought to desiccation, Amalfitano et al.

(2008) found that the progressive decrease of water

brought to a drastic decrease of bacterial live biomass

(only 14% of the initial wet conditions) deprived of

its main metabolic function (BCP). Rewetting of

Mulargia sediments precipitated a slow recovery

of structure and function (BCP), with the exception of

EEAs, which promptly reactivated soon after rewett-

ing (Marxsen et al., 2010). Hence summer conditions

could represent the bottleneck for the reactivation of

ecosystem functioning.

In this context, our results show that bacterial

abundance was about one order of magnitude lower

in comparison with other freshwater aerobic sedi-

ments (Findlay et al., 2002; Fischer et al., 2002b) but

comparable with data from sediments with similar

low OM content, providing evidence for the oligo-

trophic nature of this system (Fischer et al., 2002a;

Fazi et al., 2005). Bacterial abundances changed

moderately throughout this survey, with the excep-

tion of the March sample, when a peak value was

observed (Fig. 1). Apparently the flood did not affect

BAB, as no variations related to flow were observed.

Interestingly, no major differences were found in

community composition. The community was mainly

dominated by Alpha-Proteobacteria, which repre-

sented about 30% of the bacterial cells, followed by

Beta and Gamma-Proteobacteria. Few studies have

assessed the impact of water flow on microbial

composition, and most of these have focused on the

architecture of benthic biofilms (Battin et al., 2003)

or on comparing microbial communities associated

with gravels in riffles and with fine sediments in

depositional areas (Fazi et al., 2005). Taking into

account the results of previous experimental studies

on river sediments exposed to drastic changes in

water availability (dry-wet) that showed a substantial

influence of drying on community composition

(Amalfitano et al., 2008; Marxsen et al., 2010), it is

possible that the variation in water flow did not

represent as strong of a selective force as did extreme

dryness. However, our results showed an important

shift in the functional parameters, and the description

of these changes could help elucidate how biota

responds to environmental perturbations of different

intensities.

Bacterial carbon production rates were in line with

the oligotrophic characteristics of the sediments,

falling into the lowest range reported in the literature

(Kirschner & Velimirov, 1999; Fischer et al., 2002b;

Buesing & Gessner, 2006). The BCPs, in accordance

with data reported for river sediment (Fischer et al.,

2002a; Buesing & Marxsen, 2005), varied between

0.09 f mol C h-1 cell-1 during spring and summer

conditions and 0.27 f mol C h-1 cell-1 observed in

winter during the flood event.

Community respiration is considered a basic mea-

sure of OM decomposition and energy flow (Hill &

Gardner, 1987; Hall & Meyer, 1998; Hill et al., 2000).

Respiration rates result from complex interactions

between sources and environmental factors and bac-

teria have been shown to be key agents of this function,

with high seasonality and spatial differences (Jones

et al., 1995, Uehlinger & Naegeli, 1998; Mulholland

et al., 2001; Mulholland et al., 2005). The data

available on the sediment mineralization process are

scarce and were obtained by different methods, often

rendering difficult any comparison of data (den Heyer

& Kalfs, 1998; Hill et al., 2000; Uehlinger et al., 2002;

Bastviken et al., 2003; Logue et al. 2004). In aquatic

systems, incubation chambers have been used to

quantify benthic CR in the uppermost sediment layer

of semiarid streams (i.e., Jones et al., 1995; Uehlinger

et al., 2002) despite the limitation that they pose

(Uehlinger & Brock, 1991; Naegeli et al., 1995;

Döring, 2007). In this study, most of the respiration

rates in the uppermost oxic layer of the sediment,

where most of the mineralization occurs, fell within

the range of 0.71–20 nmol C h-1 g-1 (where rates

given in nmol m2 day-1 were recalculated) reported

by den Heyer & Kalfs (1998) for marine and freshwa-

ter sediments. The maximum rate observed in the

Mulargia River fell out of this range (75 nmol

C g-1 h-1), and it was associated with the flood

event, when the other metabolic parameters also

showed the highest values. These high rates may have

been stimulated by the high inputs of particulate OM

of allochthonous origin (see below). BGE values

reported in the literature for lakes and rivers vary from

0.03 to 0.8 (Del Giorgio & Cole, 1998), whereas in

freshwater sediments a narrower range, from 0.1 to

0.4, has been observed (Bell & Ahlgren, 1987;
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Törnblom, 1996; Goedkoop et al., 1997; Bastviken

et al., 2003). BGE values[0.8 were observed in pore

water supplemented with labile organic substrates

under experimental conditions (Cunha et al., 2005). In

this study the lowest BGE values were found in July

and in February (0.6 and 0.7, respectively).We can

hypothesize that the quality of the OM, rather than its

quantity, led to these similar results. These two

samples are characterized by differences in flow,

nutrients (AFDW, TOC, TN), and temperature

(Table 1, Fig. 1). In July, very low flow conditions

may have determined limited renewal of OM sources

(low contributions of TOC and TN) and the accumu-

lation of refractory/exhausted OM. On the contrary, in

February, the occurrence of the flood was associated

with high OM and nutrient concentrations (see TOC

and TN), probably due to the transport of particles of

terrestrial origin. High respiration rates are associated

with conditions where large debris is abundant (Jones

et al., 1995). These hypotheses can be also supported

by the changes observed in EEAs during the flood (see

below). As a matter of fact, floods in this system are

also associated with high transport of readily mobi-

lized particulate OM (Lo Porto et al., 2006). Hence, in

this system both the flood event, with its allochthonous

inputs of detritus, and the very low flow can shift the

metabolism toward mineralization processes, making

the system a potential source of CO2. Indeed, the

highest BCP rates associated with the relatively low

respiration rates resulted in a relatively high BGE (0.8)

in March that permitted the observation of the high

capacity of the microbial community to transform the

dissolved OM in biomass, with the ability to act as a

sink for C-flux.

The patterns of EEA may provide specific insights

on the available OM sources in natural systems, as

well as functional profiles of microbial communities

in substrate uptake processes and nutrient cycling

(Wobus et al., 2003; Zoppini et al., 2005). In highly

dynamic systems, such as the Mulargia River, the OM

inputs vary rapidly with respect to the intensity of the

flow (Lo Porto et al., 2006), and the assessment of

EEA under different flow conditions allowed us to

detect changes in the OM utilization. Alkaline phos-

phatase (APA) and amino peptidase (AMA) activities

were the most powerful enzymes in discriminating

such differences. The high contributions of APA and

AMA implied either a fast phosphorous and nitrogen

flux or a nutrient-impoverished environment, because

nutrient limitation may induce bacterial cells to

synthesize specific enzymes (Taylor et al., 2003).

The positive and significant correlation between

EEAs (APA and AMA) and bacteria (cell abundance

and BCP) could have been indirectly influenced by the

presence of algae, the production of labile OM by

which may have contributed to the stimulation of the

biomass and metabolic rates observed in March. The

high contributions of these activities to determining

bacterial growth can be related to the oligotrophic

conditions of this system. Spring conditions stimu-

lated the highest metabolic rates regarding BCP and

APA. Usually labile OM is available during this

season, deriving from algae as revealed by its higher

chlorophyll/OM ratio (Romani et al., 1998). High

APA activity denotes a condition of strong P limita-

tion, where BB and production are strictly dependent

on the hydrolyzing capacities of phosphorylated OM.

Such conditions of P limitation are associated with

high turnover times ([20 h), as shown by the PCA

analysis (Fig. 4).

The interpretation of the peptidase activity pattern

is complex as it is an amphibolic enzyme potentially

important in both carbon degradation and nitrogen

acquisition. APA/AMA ratio, utilized as an indicator

of inorganic nutrient imbalance in microbial commu-

nities (Sala et al., 2001), was found to be rather

constant (1.1 ± 0.5). This finding reflects the limited

seasonal variability in the quality of OM, at least with

respect to the balance between phosphorylated organic

compounds and proteinaceous material. The strategic

role of nutrients in this environment is apparent in the

significant increase of beta-glucosidase and lipase

activities coinciding with the increment of contribu-

tions of TN and TP to sediments during the flood.

The interdependence observed between CR rates

and the activity associated with lipase and beta-

glucosidase relies on the specificity of these enzymes

to hydrolyze energy-rich compounds. The products of

these enzyme activities (e.g., glycerol, fatty acids,

and glucose) represent readily usable sources of

energy fueling catabolic metabolism (Fig. 4). Flood

conditions significantly changed the enzyme profile,

stimulating the highest rates of beta-glucosidase and

lipase and CR rates. This increase of EEA could be

due to the input of allochthonous carbon-rich debris

(Jones et al., 1995), as confirmed by the increased

contribution of TOC content (Table 1). Flood condi-

tions also greatly stimulated the metabolic rates of
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AMA, for which high nutritive values of the hydro-

lytic products (i.e., amino acids) contribute to short

turnover times (\10 h). Hence, the flood event

induced a drastic change in the metabolic profile of

the microbial community considering that, in the

same season but without a flood event (see January,

Fig. 2b), we observed EEAs in the lowest range of

values. Hence, the ability of AMA and APA to

acquire nutrients from OM is determinant of bacterial

production of new biomass when the OM source is

implemented by either internal (in spring) or external

(floods) events, whereas lipase and beta-glucosidase

play a major role in fueling catabolic metabolism

when external events bring allochthonous resources

(Fig. 4).The extracellular enzymes are excreted by

different bacterial groups that may differently con-

tribute to the metabolic profile of the whole microbial

community (Haynes et al., 2007). Several studies

have begun to link microbial community structure to

functioning in different aquatic environments using a

combination of several methods or focusing on

functional genes as markers of functional groups

(De Long, 2004; Wilmes & Bond, 2009). However, it

is still challenging to relate distinct phylogenetic

groups, as identified by the rRNA-based molecular

tools, to their respective functional roles because

bacterial physiology can vary significantly, and some

microbial functions (e.g., nitrogen fixation, denitrifi-

cation) and the use of certain carbon substrates are

widespread throughout the bacterial domain (Logue

et al., 2008).

As suggested by the increasing data on cloning of

16S rRNA gene fragments and Fluorescence In Situ

Hybridization analysis from a wide range of fresh-

water ecosystems, the Alpha, Beta, and Gamma

subclasses of Proteobacteria account for a large

portion of the domain Bacteria in lotic sediments,

whereas members of the other groups, such as

Cytophaga-Flavobacterium, Firmicutes, and Plan-

ctomycetales, are normally found in lower numbers

(Fazi et al., 2005; Gao et al., 2005). Our data on

community composition of lotic sediment confirmed

these findings. Moreover, when considering patterns

related to microbial C transformations (AFDW, BGE,

T2, BB, CR) and the relationships of these patterns to

microbial community composition (Fig. 4), our data

defined an ecological context in which the Alpha

subclass of Proteobacteria clearly dominates the

microbial community in terms of biomass and

abundance. The relative percentages of this group

were associated with relatively higher values of BGE,

suggesting a higher efficiency in the nutrient assim-

ilation. The Beta-Proteobacteria subclass was con-

sistently lower in abundance than the Alpha subclass,

but it was associated with CR and specific enzymatic

activities (Beta-glu, AMA, Lipase), thus appearing to

be involved mainly in substrate mineralization and

catabolic processes. These two phylogenetic groups

are reported to be particularly active components of

freshwater microbial communities associated with

sediments and biofilms naturally or experimentally

exposed to hydrological fluctuations (Amalfitano

et al., 2008; Besemer et al., 2009; Marxsen et al.,

2010). The relative abundance of Gamma-Proteo-

bacteria was generally low but related to BB and to a

more intense APA (Fig. 4). The members of this

group, which are well adapted to high nutrient

concentration (Glockner et al., 1999), were relatively

abundant in March, when extra OM and nutrients

may have become available, sustaining the highest

BB and bacterial growth.

Conclusions

Under a global warming scenario, changes in rainfall

frequency and distribution could impact the hydrolog-

ical cycle (Allen & Ingram, 2002; Milly et al. 2005).

Moreover, recent results from the analysis of the

hydrological regimes in seven catchments of different

sizes in Mediterranean Europe, including the Mulargia

River, showed a complex response of the catchments

to rainfall (Gallart et al., 2008). Hence, in the coming

years, changes in the hydrological characteristics of

the temporary rivers can be expected, with unpredict-

able effects of flood and drought. Overall, our results

showed that changes in water flow regime can affect

the microbial community functioning. Changes in

river hydrology seem not to reflect on bacterial

biomass or composition, because these communities

adapted to live in a dynamic system. However, we

observed relevant changes in microbial metabolism.

Sediment can act as a potential C ‘‘sink’’ in periods

when favorable environmental conditions (i.e., spring)

permit the input of organic matter with labile

substances. On the other hand, in concomitance with

extreme conditions (i.e., floods in winter and minimal

flow in summer), the microbial metabolism shifts

48 Reprinted from the journal

Hydrobiologia (2010) 657:37–51

123



toward mineralization processes, rendering the river

sediments a potential ‘‘source’’ of CO2.
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Abstract The rivers and streams in the pampean

plains are characterized by a low flow rate due to the

low slope of the surrounding terrain, high levels of

suspended solids, silty sediment in the benthos, and

reduced rithron; the riparian forest of this region has

been replaced by low-altitude grasslands. Many of

these environments contain a wide coverage of aquatic

reeds, both submerged and floating, making the

pampas limologically extraordinary. These terrains

have undergone a gradual transformation in response

to the progress of urbanization and agricultural activity

in recent years with a resulting loss of biodiversity,

leaving only few sites that continue to reflect the

original characteristics of the region. Because of

human activities in combination with the global

climate change, variations have occurred in biological

communities that are reflected in the structure and

function of populations and assemblages of algae,

macrophytes, and invertebrate fauna or in the eutro-

phication of affected ecosystems. The objective of this

article is to describe the principal limnologic charac-

teristics of the streams that traverse the Buenos Aires

Province and relate these features with the predicted

future global changes for the area under study.

Considering the future climate-change scenarios pro-

posed for the pampean region, the projected increment

in rainfall will affect the biological communities.

Higher rainfall may enhance the erosion and generate

floodings; increasing the transport of sediments, nutri-

ents, and contaminants to the ocean and affecting the

degree of water mineralization. Changes in discharge

and turbidity may affect light penetration in the water

column as well as its residence time. The modifications

in the use of the soil will probably favor the input of

nutrients. This latter effect will favor autotrophy,

particularly by those species capable of generating

strategies for surviving in more turbid and enriched

environments. An accelerated eutrophication will

change the composition of the consumers in preference

to herbivores and detritivores. The increase in global

population projected for the next years will demand

more food, and this situation coupled with the new
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Universidad Nacional de Luján, C.C. 221, 6700 Lujan,

Argentina

123

Hydrobiologia (2010) 657:53–70

DOI 10.1007/s10750-010-0319-3

http://dx.doi.org/10.1007/s10750-010-0319-3


scenarios of climate change will lead to profound

socioeconomic changes in the pampean area, implying

an increase in demand for water resources and land

uses.

Keywords Pampean streams � Biotic communities �
Fisico-chemical � Primary and secondary producers �
Landscape

Introduction

Rising human pressure on water resources and the

effects of climate change will probably affect the

hydrological and geomorphological state of river

systems in many areas of the globe. Hydrological

variations will lead to a chain of effects on the structure

and functioning of river systems. Hence, these effects

are expressed in the loss or malfunction of the

ecosystem services that they provide (Sabater, 2008).

As a consequence, freshwater systems have been

especially threatened, having suffered a higher pro-

portion of species and habitat losses than terrestrial or

marine ecosystems. Moreover, this tendency will

probably continue owing to water contamination,

flow reduction as a result of irrigation and reservoir

construction, and overfishing among other causes

(McAllister et al., 1997). Despite the relatively small

areas of the earth’s surface covered by freshwaters as

compared to other ecosystems, these limnic bodies

sustain a major biotic diversity. South America is one

of the continents with the greatest proportion of

freshwater and is accordingly recognized for its great

variety of aquatic environments and the extent of its

biodiversity (Moyle & Leidy, 1992).

The area occupied by the Argentine pampas is

heterogeneous with respect to geology, climate, and

extent of land-surface relief (Cabrera & Willink,

1980). The Buenos Aires Province contains the

highest demographic and industrial concentration in

the country, the greatest agriculture and livestock

production as well as the most intense use of

agrochemicals, as a result of the great expansion of

agriculture within the last 150 years. Because of such

intensive human activity, many pampean rivers and

streams are impacted by point sources of contamina-

tion from sewer effluents and industrial wastes and by

diffuse pollution associated with crop cultivation and

cattle raising (Salazar et al., 1996; Sala et al., 1998;

Gómez & Rodrigues Capı́tulo, 2001).

Most watercourses that border large cities have

suffered significant modifications. For example, the

rivers that pass through Buenos Aires city have been

either channelized or covered over since 1870. The

basins more greatly affected by industrial activity

were those of the Reconquista, Matanza-Riachuelo,

and Luján rivers (del Giorgio et al., 1991; Rodrigues

Capitulo et al., 1997; Gómez, 1998; Rodrigues

Capı́tulo, 1999; Salibián, 2005). With respect to crop

cultivation and cattle raising, the previously diversi-

fied agriculture (e.g., wheat, corn, sunflowers, and

sorghum) has been supplanted by intensive soybean

monocultivation; while the earlier free-range grazing

of livestock has been partially replaced by the use of

feed lots.

The pampas contains ca. 21 million inhabitants,

accounts for 90% of the country’s soybean produc-

tion, and has accordingly been the region most

affected by the expansion of this crop. Since most

crops cultivated in Argentina are transgenic and

soybean is the leading one among them that crop also

results in a pronounced increase in glyphosate

application (Vera et al., 2009). The use of this

herbicide in large scale can stimulate the growth of

picocyanobacteria (Pérez et al., 2007) or zooplankton

(Paggi & José de Paggi, 2001) and thus potentially

alter the biotic structure of the bodies of water.

Other common practices that have affected pam-

pean lotic systems have been dredging and channel-

ization of watercourses to avoid flooding. These

engineering operations have involved neither an

adequate degree of planning nor any recourse to

advisory consultation; this oversight has resulted in

loss of habitat for a variety of invertebrate fauna,

amphibians, and fish. Moreover, these interventions

have involved the destruction of natural riverbanks,

affecting macrophyes and riparian vegetation, and

have often been accompanied by a deterioration of

water quality (Bauer, 2009; Licursi & Gómez, 2009).

Finally, the advance of urbanization that progres-

sively occupied cultivatable land and caused the

displacement of livestock from their traditional areas

to marginal lands situated in floodplains has increased

the incidence of erosion and the input of particulate

material into waterways.

Current models predict temperature and rainfall

increases in the pampean plains (Hulme & Sheard,
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1999). Under this climatic-change scenario we can

expect an increased number of lakes, changes in their

runoff patterns, and a greater discharge of water in

the streams and rivers. These effects, combined with

changes in the land use described above, will lead to

a greater input of nutrients and contaminants into

streams and rivers. In addition, the increase in sea

level will promote the erosion of the current coastal

profile, thus adversely affecting the geometry of the

mouths of watercourses.

In this article, we discuss how these global changes

could affect aquatic communities of the Pampa river

systems. We describe the main limnological charac-

teristics of streams in the province of Buenos Aires and

relate these characteristics to the future predicted

change for the area under study. On the other hand was

analyzed a simulation of the increase in nutrients in a

plains fluvial system with its headwaters subjected to

unhabitual hydrologic irregularities attributable to

global climatic changes resulting from human activity.

The long-term aim was then to examine the resulting

changes in the biological structure of the trophic

network and the functioning of the metabolic pro-

cesses in the resident communities.

Geology and geomorphology

The pampean plains are composed of quaternary

sediments originating from the erosion of the Andes

mountain range and extend over an area of approx.

500,000 km2. This flat landscape has topographic

slopes that vary between 0.1 and 1 m/km but is

interrupted by occasional high hills that arose during

the Tertiary Period, barely exceed altitudes of

1,200 m above sea level, and occupy small areas

(e.g., the Tandil and Ventana hills). Different strata of

sediments reflect earlier dry and wet periods as well

as the incursions of the sea. The subsurface strata are

formed by slimes rich in sulfates and chlorides along

with sand and clay, which compositions characterize

the river and stream beds (Andrade, 1986).

The soils are composed mainly of loess, which

component favors the movement of particulates and

facilitates the new formation of clays that in turn

generate the reducing conditions conducive to the

preservation of organic material within the profile of

the strata. For this reason, the soils of the area are

generally fertile with a high content of nutrients and a

marked capacity for cationic interchange, predomi-

nantly involving calcium (Papadakis, 1980).

Because of the plains’ extensive area—both with

respect to latitude and longitude—the temperatures

there vary between average annual values of 18�C in

the north and 12�C in the south; and the annual

rainfall ranges between 600 mm in the west and

1,000 mm in the east, with maximum precipitations

occurring toward the end off summer or the begin-

ning of autumn. July, the coldest month, has an

average minimum temperature below 10�C and

January, the warmest, and an average of 22�C. In

contrast, the most westerly region is dry and of a

moderate climate, exhibits the greatest overall tem-

perature range, and is characterized by hydrologic

deficits during the warmest months.

Physiognomy of the landscape

According to Parodi (1942) the intense competition

of the graminoids for water in periods of rainfall

deficit would have impeded the establishment of

hardwood trees within the region. For this reason,

grassland is the dominant physiognomy.

In spite of this characteristic feature, large mod-

ifications of the pampean landscape have resulted

from the introduction of plants and animals by the

European settlers (Brailovsky & Foguelman, 1992).

The changes occurred mainly in the profiles of the

meadowlands as well as through the introduction of

thickets of Baccharis spp. in elevated areas and of

Solanum glaucophyllum in the lower regions, among

others. There are vestiges of xerophilic woods within

limited spaces, such as tala (Celtis tala) and espinillo

groves (Acacia caven; Burgueño, 2005).

Hydrology

The predominant bodies of water in the pampean

plains are shallow lakes and ponds. Moreover, in some

areas, despite the slight regional topographic slope of

1 m/km, the drainage network exhibits a high density

of stream and rivers 0.16 km/km2 (Sala et al., 1998).

The pampean rivers have been grouped into four

categories according to their drainage basins and

geomorphology (Frenguelli, 1956; Ringuelet, 1962):

(1) the Salado-River system (situated in the pampean
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depression with an overall basin area of 80,000 km2);

(2) the closed basins in the south and southwest

vertants of the Bravar and Curamamal mountains (the

endorheic system of Chasico) and the Vallimanca

stream system, it being actually connected to the

latter system; (3) the tributaries of the Paraná River

and the Rı́o de La Plata (the Paraná-Plata basin);

(4) the watercourses of the Atlantic slope and those

originating in the Sierra de la Ventana and Tandil

hills. The Paraná and Uruguay rivers furthermore

drain into the Rı́o de La Plata estuary and influence

the pampean hydrographic network changing the

regional geomorphology (Fig. 1).

Physicochemical characteristics

In general, because of the low slope of the plains, the

flow rates of the streams are low (\0.4 m s-1), a

value exceeded only in periods of freshets or in those

streams whose sources are localized in the moun-

tainous systems of the area (Rodrigues Capı́tulo et al.,

2002). Giorgi et al. (2004) estimated the transport

capacity and the degree of retention of particulate

material and nutrients during the spring and summer

months of 2003 and 2004 in some first-order streams

located in the north east of Buenos Aires Province. At

discharges ranging from 0.01 to 10 l s-1, the fine

Fig. 1 Hydrographic

basins of the Province of

Buenos Aires (modifies of

Frenguelli, 1956; Ringuelet,

1962): (1) Salado-River

system; (2) basin without

drainage arising from the

south and southwest

vertants of the Bravar and

Curamamal mountains and

the Vallimanca stream

system; (3) tributaries of the

Paraná River and the Rı́o de

La Plata (the Paraná-Plata

basin); and (4) the

watercourses of the Atlantic

slope and those originating

in the Sierra de la Ventana

and Tandil hills
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(between 2 mm and 50 l) and ultrafine (\50 l)

particulate materials predominate except in the

instance of the Pereyra stream where drifting meth-

aphyton become trapped in gross particulate material

([2 mm). The streams generally have a high con-

ductivity as result of the presence of the dissolved

substances that are transported, with the total soluble

solids fluctuating between 0.5 and 1.0 g l-1. The low

flow velocities increase the nominal travel time

(NTT), the latter being considered an estimation of

a stream’s hydrologic-retention time (Hauer &

Lamberti, 1996) and varying between 45 s-1 and

5 h within a reach of 100 m (Table 1).

The sinuosity of the first-order streams is low,

ranging between 1 and 1.07; the relative roughness

fluctuates between 1.06 and 2.60, while the Reynolds

number is variable, ranging from low (12), with

laminar flow, to medium-turbulent ([3,000). More-

over, the Froude number, varying from 0 to 0.59—

with 1.0 corresponding to turbulence—would also

indicate laminar flow.

Given their low flow rates, the streams have

limited transport capacity. This parameter, however,

becomes modified in accordance with increments in

the order of the rivers and after a spate, with the latter

usually occurring about twice a year during autumn

and the late spring, as a result of higher precipitation.

The low infiltration capacity of the soil owing to the

high percentage of clay, which component reduces

the drainage and elevates the runoff (Fidalgo, 1983),

contributes to the autumn and spring spates (Table 2).

Hydrochemical characteristics

Pampean streams are characterized by alkaline waters

with high conductivity and elevated dissolved-

oxygen and nutrient concentrations (Feijoó et al.,

1999; Bauer et al., 2002; Feijoó & Lombardo, 2007).

In a study conducted on 41 streams of Buenos Aires

Province, the conductivity correlated with chloride

concentrations, which values exceeded by one or two

Table 1 Mean values and standard deviation (±) of transported materials in pampean streams according to (Giorgi et al., 2004) (for

soluble solids the units are g l-1, for the others are mg l-1

Haras Gutierrez Chaña Pereyra Nutrias

Soluble solids 0.638 ± 0.126 0.648 ± 0.090 0.583 ± 0.146 0.775 ± 0.220 0.707 ± 0.214

Ultrafine particles (DW) 0.096 ± 0.063 0.069 ± 0.055 0.048 ± 0.042 0,079 ± 0.083 0.205 ± 0.125

Fine particles (DW) 0.503 ± 0.307 0.123 ± 0.134 0.191 ± 0.318 0.329 ± 0.437 0.004 ± 0.008

Coarse particle (DW) 0.177 ± 0.251 0.103 ± 0.201 0.027 ± 0.039 3.713 ± 5.343 0.002 ± 0.003

Ultrafine particles (AFDW) 0.009 ± 0.003 0.009 ± 0.005 0.006 ± 0.004 0.010 ± 0.010 0.026 ± 0.014

Fine particles (AFDW) 0.058 ± 0.042 0.018 ± 0.021 0.031 ± 0.055 0.110 ± 0.188 0.001 ± 0.003

Coarse particles (AFDW) 0.054 ± 0.079 0.055 ± 0.107 0.013 ± 0.025 2.737 ± 4.496 0.000 ± 0.000

Table 2 Mean values and standard deviation of flow and loads of particulate and dissolved substances at two sampling stations (S1

and S2) in the Las Flores Stream at normal conditions

Normal conditions Flooding conditions

S1 S2 S1 S2

Flow (l/s) 40.6 ± 27.5 79.6 ± 46.8 491.9 240.2

TDS (mg/s) 0.7 ± 0.2 0.7 ± 0.2 0.4 0.2

SPM (mg/s) 637.3 ± 1022.0 637.0 ± 570.7 27378.0 6437.3

POM (mg/s) 63.7 ± 69.9 97.9 ± 79.3 1340.3 558.4

SRP (mg/s) 32.3 ± 25.7 48.2 ± 35.7 228.5 105.0

DIN (mg/s) 173.0 ± 154.7 345.2 ± 342.3 375.0 685.4

Values obtained during the flood of April 1993 are indicated separately. DIN dissolved inorganic nitrogen (NO3
- ? NO2

- ? NH4
?),

TDS total dissolved solids, SPM suspended particulate materials, SRP soluble reactive phosphorous (Giorgi et al., 2005)
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orders of magnitude the average concentration world-

wide (e.g., 8.3 mg l-1) (Berner & Berner, 1987). The

chloride levels tended to increase toward the west,

where the more arid conditions favor water evapora-

tion and salinization. In general, bicarbonates tended

to exceed carbonates (Feijoó & Lombardo, 2007).

The dissolved-phosphorus and nitrogen- concen-

trations in streamwater are relatively high compared

to other lotic systems of the world (Omernik, 1977;

Binkley et al., 2004). The mean nutrient values

reported for Province of Buenos Aires were

0.17 mg l-1 of soluble reactive phosphorus and

1.50 mg l-1 of nitrate (Feijoó & Lombardo, 2007).

According to the criteria of the Environmental

Protection Agency (EPA, 2000), the pampean

streams could be classified as eutrophic upon con-

sideration of their phosphorus concentrations, but as

mesoeutrophic on the basis of their nitrate levels. The

nutrient levels of the pampean streams exceeded

those reported for so-called pristine environments,

but were not so high as would be expected for

intensively cultivated basins (Amuchástegui, 2006)—

at least with respect to nitrogen, the nutrient more

associated with agricultural activities (Mugni et al.,

2005; Feijoó & Lombardo, 2007).

Evidence suggests that eutrophic conditions in the

pampean streams are not solely associated with

agricultural and cattle-raising activities developed

within the region. The analysis of pollen-DNA

sequences at some sites within the pampas revealed

the existence of bodies of water at an advanced stage

of eutrophication with abundant aquatic genera

typical of such enriched conditions (Prieto, 1996;

Zárate et al., 2000), considerably before the intro-

duction of cattle by the Spaniards during the Colonial

period and the rise of agriculture during the nine-

teenth century.

Nutrient levels in streamwater vary seasonally;

especially at high flows (Vilches et al., 2008) and in

response to a rainfall, when increments in phosphorus

and nitrogen levels are usually observed (Mugni,

2009).

Decomposers

The information on the identity and abundance of

decomposers in the pampean streams is scant and

fragmentary. Bacterial densities reported for the

sediments and water columns are of the orders

106–108 and 106–107 l-1, respectively, depending on

the variations in the concentration of organic material

and the season, with higher values being recorded in

the warmer periods (Cochero et al., 2008; Sierra, 2009).

Many of the principal taxonomic groups involved in

the mineralization of organic material are the zoo-

sporic organisms; the following genera were among

the most frequent encountered in the sediment:

Pythium, Catenophlyctis, Rhyzophlictis, Aphanomy-

ces, Achlya, Dictyuchus, Saprolegnia, Rhizophlyctis,

and Nowakowskiella (Marano et al., 2008; Sierra,

2009).

Primary producers

Phytoplankton

The composition and dynamics of the phytoplankton

communities in the rivers that traverse the pampean

plains are modified principally by the physiography,

the geochemistry, and the various uses of the land

(Bauer, 2009). In the streams with current velocities

lower than 0.4 m s-1—and particularly in those

segments with a greater concentration of nutrients—

the phytoplankton density can exceed 104 cells ml-1.

These characteristics are often observed in streams

that originate in shallow depressions, with minimal

slope and slow, allowing a longer residence time and

thus favoring phytoplankton development. In the

sources of mountain streams a greater proportion of

benthic algae are observed in the water column as a

result of the drift of pennate diatoms, particularly

Navicula tripunctata, Rhoicosphenia abbreviata,

Nitzschia fonticola, and N. recta. The phytoplankton

composition also varies with the water turbidity: the

streams that originate in the plains usually contain a

greater proportion of suspended solids, frequently

resulting in the development of loricate eugleno-

phytes (e.g., the genera Strombomonas and Trache-

lomonas). With an increase in the stream order, the

chlorophytes and cyanophytes predominate, and the

development of a true potamoplankton becomes

observable.

The algal biomass, expressed as the amount of

chlorophyll a (Chl a), is variable and ranges between

\10 lg l-1 and [400 lg l-1 between sites of low

and high anthropic impact, respectively.
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The natural hydrochemistry of the lotic systems is

also recognized as a significant influence on the

characteristics of the resident phytoplankton: elevated

concentrations of bicarbonate plus carbonate, cal-

cium, and magnesium favor the development of

species such as Fragilaria acus, N. tripunctata, N.

fonticola, N. recta, and Ulnaria ulna; whereas low

levels of these electrolytes are conducive to the

growth of, for example, Strombomonas treubii,

Trachelomonas intermedia, T. volvocina, and Dict-

yosphaerium subsolitarium (Bauer, 2009).

The frequent dredging of the streams and rivers of

the pampean plains, in order to compensate for the

excess to drain water accumulation in the floodlands,

influence the characteristics of the phytoplankton.

This dredging produces changes in the chemical

composition and turbidity—and thus the light pene-

trability—of the water (Licursi & Gómez, 2009).

Among the principal observable alterations are a

reduction in the phytoplankton density, an increment

in the phaeopigments, and a change in the composi-

tion of the phytoplankton community (Bauer, 2009).

Phytobenthos

The phytobenthos of the pampean lotic systems, and

particularly those of shallow depth and low velocity,

can harbor a diverse biota ranging from the customary

benthic organisms to epiphytic species of plankton that

survive and develop within the epipelon. The diatoms

are one of the groups most widely represented in this

community, but whose distribution is influenced by the

stream’s hydrochemistry. Thus, many of the described

species have a preference for high concentrations of

HCO3
1-, Ca2?, and Mg2? (e.g., Achnanthes minutiss-

ima, Amphora pediculus, Cocconeis placentula,

Navicula capitatoradiata, N. tripunctata, N. gregaria,

N. veneta, Nitzschia calida, Nitzschia dissipata, and

Rhoicosphenia abbreviata); carbonates (Diadesmis

confervacea, Navicula trivialis, Gomphonema gracile,

Cymbella silesiaca, Pinnularia gibba, Gomphonema

parvulum, Nitzschia brevissima, Caloneis bacillum,

and Luticola mutica); or chlorides (Surirella striatula,

Gyrosigma attenuatum, S. acuminatum, Nitschia com-

presa, and N. sigma).

Contamination of the water also can modify the

taxonomic profile of the affected stretches of a stream

so as frequently to promote the abundant growth of

species such as Navicula subminuscula, Navicula

pygmaea, Diadesmis confervacea, Achnanthes hun-

garica, Nitzschia umbonata, Sellaphora pupula,

Gomphonema parvulum, Sellaphora seminulum, and

Nitzschia palea (Gómez, 1998; Gómez & Licursi,

2001; Licursi & Gómez, 2002). Seasonal variations

have also been observed: Chlorophytes (e.g., Clado-

phora glomerata and Spirogyra spp.) and the fila-

mentous cyanobacteria (e.g., Oscillatoria limosa,

O. tenuis, and Lyngbia limnetica) can reach a major

representation during the spring and summer.

The biomass of the phytobenthos (i.e., the Chl a

levels) can vary as a function of the season (e.g.,

being greater in spring or fall) and the enrichment of

the watercourses with organic material and nutrients.

Giorgi (1998) mentioned values over the years

ranging from 5 to 14 mg Chl a m-2 for some

pampean watercourses studied (Fig. 2), although

Sierra (2009) reported much higher values at more

than 700 mg Chl a m-2 for enriched streams.
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Epiphyton

The taxonomic richness of the epiphyton can vary in

accordance with the species of macrophyte that is

being colonized. Ceratophyllum demersum harbors

more species than do Potamogeton and Egeria

densa, with 10–20 species per plant normally being

accommodated during the vegetal substrate’s growth

periods and as many as 100 species per plant when

the epiphyton community has become stabilized. The

following are among the species most often colo-

nizing the macrophytes: Cocconeis placentula, Eu-

notia pectinalis, Gomphonema angustatum, Melosira

varians, Roicosphenia curvata, Ulnaria ulna, Spiro-

gyra sp., and Oscillatoria spp. (Giorgi, 1998). The

biomass of the epiphyton depends on multiple

parameters, with the most influential being: the type

and variations in the plant substrate, the presence of

floating plants that interfere with the penetration of

light, the abundance of herbivorous forms, the

competition for nutrients, and the effect of increases

in the current flow velocity (Stevenson et al., 1996).

Because of these influences the epiphyton biomass is

highly variable, ranging from minimal values of

5 mg Chl a g-1 dry weight during the growth

periods of the vegetal substrate to a maximum of

100 mg Chl a g-1 when the community becomes

stabilized (Giorgi 1998) (Fig. 3). Finally, the max-

imal biomass can also vary in accordance with the

nature of the substrate colonized: for example,

during the same period greater biomasses have been

registered for Egeria densa than for Potamogeton or

Ceratophyllum demersum (Giorgi et al., 2005)

(Fig. 4).

Metaphyton

The Zygnemateles (Spirogyra spp, Zignema spp)

develop in the headwaters of streams and in certain

rivers of greater order. The presence of these algae

seems to be favored under conditions of high nutrient

concentrations, low current velocities, and a sparse

development of macrophytes. The group remains

associated with the streambed during the cold season

but detaches itself from the bottom at the beginning

of spring to form mats of floating filamentous algae

(Giorgi, 1998).

Macrophytes

The low current velocity, the absence of riparian

trees, and the high concentrations of nutrients char-

acteristic of pampean streams favor the development

of dense macrophyte communities of broad diversity.
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Species richness varies markedly among streams and

throughout the year (Feijoó & Lombardo, 2007). For

instance, Gantes & Tur (1995) reported for Las Flores

stream 16 species of macrophytes (10 rooted, three

submerged, and three free-floating). The taxa most

frequently observed are Azolla filiculoides, Lemna

spp., Potamogeton spp., Stuckenia striata, Cerato-

phyllum demersum, Rorippa nasturtium-aquaticum,

Schoenoplectus californicus, Ludwigia peploides, and

Hydrocotyle spp. Almost all these taxa are native or

cosmopolitan, and only R. nasturtium-aquaticum was

introduced from Europe.

Although the pampean streams are typically char-

acterized by low current velocities, this feature is

influential in determining the spatial distribution of the

aquatic vegetation patches (Gantes & Sánchez Caro,

2001). Species such as S. californicus, L. peploides,

Alternantera filoxeroides, and Typha dominguensis are

often found in middle and lower reaches, while S.

striata predominates in stream segments with flow

rates greater than 0.40 m s-1 (Rodrigues Capı́tulo

et al., 2002). The macrophyte biomass varies through-

out the year and is highest during spring and summer

when submerged and emergent (rooted) species pre-

dominate (Fig. 5).

The composition of aquatic-plant communities

within the pampean streams reflects the eutrophic

status of their water and has been related to conduc-

tivity level and nitrate concentration (Feijoó &

Lombardo, 2007).

Although the pampean streams have beds formed

with fine sediments and only occasionally with

pebbles or rocks; the environmental heterogeneity

results not from the different types and sizes of the

substrata but rather from the presence of aquatic

plants of diverse architecture that shelter a rich and

dense invertebrate community, mainly herbivores

that feed on epiphytic algae (Rodrigues Capı́tulo

et al., 2002; Tangorra, 2004).

Primary production

Primary production in the pampean streams can reach

high levels because of the good light reception—this

feature being favored by the scarcity of trees along the

banks—plus adequate concentrations of nutrients.

Nevertheless, an increment in humic substances and

variations in the stream’s discharge can modify the

production values markedly. A study comparing the

primary production per area of different communities

(macrophytes, epiphyton, and phytobenthos) reported

that the macrophyte contribution represented some

60% of the total primary production in summer and

40% in winter (Vilches & Giorgi, 2008). This

production decreases after a significant increase in

the stream’s discharge because of the removal of the

macrophytes. As a consequence, epiphyton production

also decreases so that the epipelon production that

remains becomes a significant contribution to the

system’s overall production. Vilches & Giorgi (2008),

investigating the headwaters of a pampean stream,

reported production values for macrophytes of above

14 g C m-2 day-1 during both summer and winter;

for epiphyton of around 9 g C m-2 day-1 in summer,

but above 16 g C m-2 day-1 during winter; and for

epipelon below 0.5 g C m-2 day-1 in summer, but

around 0.3 g C m-2 day-1 in winter. These produc-

tion data, however, can vary significantly with the
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nutrient concentrations available in the medium

(Sierra, 2009).

A large macrophyte biomass is a significant eco-

logic feature of pampean streams. Although the plants

can be used as a resource by herbivors (e.g., snails and

phytophagic insects of terrestrial origin), most of the

plant biomass is actually consumed by decomposers

and detrivores. The dynamics of this decomposition,

however, has still not been characterized.

Consumers

Zooplankton

The rotifers constitute one of the more broadly

represented groups among the zooplankton and play

a key role in the recycling of nutrients and in the

secondary production in aquatic environments. Roti-

fers can use a wide variety of food sources including

the algae, protozoa, and detritus and are thus impor-

tant links for the transfer of carbon within the trophic

chain (José de Paggi, 2004). The following species are

the most frequently found in pampean streams:

Brachionus angularis, B. caudatus, B. rotundiformis,

B. plicatilis, Filinia longiseta, Keratella cochlearis, K

tropica, Synchaeta spp., and Polyarthra vulgaris. The

ciliates are also well represented by Codonella

cratera, C. fimbriatus, and Tintinidium fluviatile.

The tecamebas of the genera Arcella, Difflugia,

Centropixis, and Euglypha constitute a tychoplank-

tonic group habitually present in the zooplankton

(Modenutti, 1987). The profile of the planktonic

microcrustaceans (copepods and cladocerans) in the

rivers is reduced and is, in turn, conditioned by the

current velocity and the particular solids in suspension

that influence the filtering organisms (José de Paggi,

1984). The most frequently present taxa are: Noto-

diaptomus imcompositus, Acantocyclops robustus,

Moina micrura, Bosmina huaronensis, Ceriodaphnia

dubbia, and Metacyclops mendocinus.

Invertebrates

The low slope of the terrain; the absence of riparian

vegetation along the banks; the predominance of clay

and slime; and the presence of submerged, emergent,

or floating macrophytes are the principal features that

condition the development of an invertebrate aquatic

fauna—an assemblage that could, in many instances,

resemble the one present along the banks of the lentic

environments of the region. Only in the mountain

headwater streams of Tandil and Ventana and in

those of the northeast of the Province of Buenos Aires

are possibly found more rheophilic fauna.

The streams that both originate in the plains and are

minimally impacted by anthropic activity are charac-

terized by abundant plant detritus; which component

attracts the presence of detrivors, such as the tubificid

oligochaetes or nematodes, although the nadids of the

following genera are also abundant: Nais, Dero,

Chaetogaster, Pristina, and Stylaria. Among the

filtering mollusks frequently present within the soft

sediment are the nacriferous clam Diplodon delodon-

tus delodontus (Pelecypoda) and the gastropod Hel-

eobia parchappei (Rodrigues Capı́tulo et al., 2003).

Associated with the vegetation are the Planorbiidae

(Biomphalaria peregrina and Drepanotrema kermato-

ides), the Ancylidae (Uncancylus concentricus), and

the Ampulariidae (Pomacea canaliculata. Among the

larger-sized crustaceans the decapods Palaemonetes

argentinus and Macrobrachium borellii contribute a

significant biomass, while the amphipod Hyalella

curvispina is well represented particularly in the

spring and summer (Fig. 6), (Giorgi, 1998; Rodrigues

Capı́tulo et al., 2002).

Among the abundant microcrustaceans present are

the copepods (Cyclopoida, Harpacticoida, and Ostra-

coda) and the cladocerans Chidoridae, Macrothricidae,

and Daphnidae. Likewise, almost always represented

are the leeches (Glossiphonidae) and the acarians

(Hydrachnidae) (Rodrigues Capı́tulo et al., 2003).

Among the insects, normally abundant are the

larvae of the mayfly families Caenidae (Caenis

nemoralis), Polymitarcyidae (Campsurus major), and

Baetidae (Callibaetis guttatus) of the order Epheme-

roptera along with the preimaginal stages both of the

families Ceratopogonidae, Ephydridae, and Chiro-

nomidae (Chironomus, Goeldichironomus, and Tany-

pus) of the order Diptera and of the families

Hydrophilidae (Tropisternus, Berosus), Dytiscidae,

and Elmidae of the order Coleoptera. Likewise,

frequently encountered are the odonate families

Coenagrionidae (Cyanallagma bonariense), Aeshni-

dae (Aeshna bonariensis), and Libellulidae (Mycra-

thyria dydima, Orthemis nodiplaga, and Erythordiplax

nigricans) as well as the trichopteron families Poly-

centropodidae (Cyrnellus sp.) and Limnephilidae
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(Verger bruchina) in addition to a single species of

Leptoceridae. Finally, the vegetation is frequented by

the hemipteron families Hebridae (Hebrus), Belos-

tomatidae (Belostoma elegans), and Notonectidae

(Rodrigues Capı́tulo et al., 2003; Ocón & Rodrigues

Capı́tulo, 2004).

The streams with sources in the pampean hills of the

Province of Buenos Aires that have a current velocity

of [0.5 m s-1 develop a more rheophilic aquatic

vegetation and have a different fauna. The hydrophyte

Stuckenia striata provides a high degree of coverage

within the segments of greater slope in these systems

and is colonized by numerous rheophilic invertebrates,

such as the simulids (Simulium bonariensis), the

mayflies (Callybaetis, Baetis), the zygopterans (Oxy-

agrion hempeli and Andinagrion saliceti), the caddis

flies (Hydroptila sauca), rheotopic forms of chirono-

mids (Cricotopus sp., Rheotanytarsus sp., Hieneman-

niella sp., and Pentaneura sp.), beetles (Elmidae), and

gastropods (Chilina sp.) (Rodrigues Capı́tulo et al.,

2002). In the rithronic mesohabitats with greater

vegetal coverage, populations of the trichopteran

filterer Smicridea pampeana (Hydropsychidae) are

found at high density. Along the banks and within the

pools, the emergent plants, such as Schoenoplectus

californicus and Thypa dominguensis, are commonly

present; where they support mollusks and odonates. In

the lower segments of these hill streams with low

current velocity, the macrophytes are abundant, cov-

ering between 15 and 60% of the stream beds. There,

the macrophytes Hydrocotyle ranunculoides, Alter-

nanthera philoxeroides, and Ludwigia peploides are

colonized by the amphipods (Hyalella curvispina and

H. pampeana), the beetles (Berosus sp. and Tropis-

ternus sp.), the odonates (Libellulidae and Aeshnidae),

the gastropods (Planorbidae, Ampullaridae, Hidrobii-

dae), and the mayflies (Caenidae).

The variation in the composition and relative

abundances of the invertebrate assemblages is notable

when the summer and winter periods are compared.

For example, the Hydrophylidae, Gastropoda, and

Chironomidae are the dominant taxa during the

coldest months; while the Chironomidae, Simuliidae,

and Baetidae are the most common families in

summer. For its part, Hyalella curvispina is present

at high densities within the intermediate stretches of

these streams throughout the year (Rodrigues Capı́t-

ulo et al., 2002) (Fig. 6).

While macrophytes play an important role in the

composition of the biota of pampean streams, no

obvious difference is apparent among the functional

groups that feed directly on them, except for gather-

ing–collector groups that are always dominant. More-

over, no significant changes are evident between the

more natural lotic systems and those that have become

enriched with organic matter and nutrients (Fig. 7).

Fish

The wider diversity and spatial differences encoun-

tered along the watercourses of the Province of

Buenos Aires would arise from the direct connection

of their lower segments with the Rı́o de La Plata and

the Paraná River. The high diversity among the fish

that populate the streams of the pampean plains

became emphasized in the recent study by Colautti

et al. (2010) that identified a total of 24 species

throughout four samplings performed at two sites of

the La Choza stream in the Buenos Aires province.

The species composition of the ichthyic commu-

nities in the pampean plains is strongly linked to the

Paraná-Plata basin of South America (Ringuelet,

1975). Of those species, 7% (approximately 24) reach

the Salado River (Fig. 1) and its surrounding systems
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within the geomorphologic unit known as Depressed

Pampa (Pampa Deprimida). According to Ringuelet

(1975), the distribution of species there appears to

coincide with an ecologic area where mainly the low

temperatures and excessively salty character of the

water become translated into limiting survival

conditions.

The most widely represented fish groups are the

Characiformes (three families, 10 species) with a

predominance of Cheirodon interruptus, Brycon-

americus iheringii, and Pseudocorynopoma doriae

(Characidae) plus Cyphocharax voga (Curimatidae;

Almirón et al., 2000; Di Marzio et al., 2003; Remes

Lenicov et al., 2005; Fernández et al., 2008; López

et al., 2008). Those taxa are predators predominantly

of micro- and mesoinvertebrates (Escalante, 1983),

and their abundance is favored by the presence of

submerged or floating aquatic vegetation.

These characteristics of the habitat in combination

with slow current velocities favor the development of

the Perciformes (cichlids), likewise predators of

micro- and mesofauna. In this regard, the ichthyo-

phage predator par excellence within these environ-

ments is the species Hoplias malabaricus (family

Atherinidae) (Ringuelet, 1975), though the ingestion

of shrimp and macrophytes is common in its diet

(Destefanis & Freyre, 1972; Oliveros, 1980).

The Siluriformes (three families, seven species) in

general inhabit slime and clay streambeds and exhibit

varied feeding regimens: they are algivorous, con-

suming micro- and mesoinvertebrates in the benthos,

as well as detrivorous (Ringuelet, 1975). Among the

Cyprinodontiformes, the species Jenynsia multiden-

tata and Cnesterodon decemmaculatus have colo-

nized the majority of the basins and would appear to

be favored by the presence of hydrophytes, where

they forage for food. These two species also seem in

general to be relatively tolerant to desiccation,

salinization, and lower oxygen concentrations.

According to Escalante (1984), the diet of C.

decemmaculatus is composed basically of the algae

Chrysophyta, Chlorophyta, and Cyanophyta; whereas

the trophic spectrum of J. multidentata is broader,

including amphipods (Hyalella curvispina), micro-

crustaceans, and decapods along with the larvae of

the chironomids and gastropods. The Symbranchi-

formes are represented by only Symbrachus marmo-

ratus and in general feed on microcrustaceans and

small fish in the benthos.

Climate change

The changes in the climatic variability and the

frequency of extreme meteorological events must be

considered in determining the probable impacts on

flora and fauna and in assessing the adaptative

adjustments the latter require to mitigate such

perturbations. According to Hulme & Sheard

(1999), the mean annual temperature in Argentina

increased by 1�C during the last century, with the

decade of the 1990s being the warmest. This warming

has occurred throughout the entire year, though being

more pronounced in winter (June to August). Along

with the increase in warming, the frequency of frosts

has been diminishing. On the basis of the different

alternatives defined in the Special Bulletin Concern-

ing Emission Scenarios (USA) of the Intergovern-

mental Panel on Climate Change (IPCC), the mean

temperature of the Argentine pampean plains is

expected to increase by 1�C under conditions of

low impact [Scenario B1: a CO2 concentration of 532

parts per million of volume (ppmv) giving a global

elevation of 1.2�C by 2080], but will rise by between
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Fig. 7 Principal functional feeding groups of invertebrates

(%) in natural and impacted urban streams of pampas. PR
predators, GC gathering collectors, SC scrapers, FC filtering

collectors, SH shredders, PI piercers (Data from Tangorra,

2004; Garcı́a et al., 2010)

64 Reprinted from the journal

Hydrobiologia (2010) 657:53–70

123



2.9 and 3.4�C at high impact (Scenario A2: a CO2

concentration of 721 ppmv yielding an increment of

3.9�C by 2080) (Fig. 8). Under Scenario B1, the

precipitation will increase in the pampean region by

\5% by 2080, but under Scenario A2 the increment

in rainfall will reach nearly 17% by the same year

(Fig. 9). These scenarios do not take into consider-

ation ‘‘El Niño’’ events, which are known to affect

precipitation in the pampean streams as well (Nuñez,

2009).

Consequences of global climate changes

on pampean fluvial systems

The consequences of alterations in the global climate

are especially critical in developing countries from

the standpoint of the capacity of their constituent

social groups to absorb or mitigate the effects of these

changes. This circumstance represents a challenge

with respect to the possibility of having the technol-

ogy, the resources, an appropriate infrastructure, and

the basic wherewithal for the adjustments required.

Global climate change will certainly affect the

physical, chemical, and hydrologic properties of

pampean lotic systems and consequently, the struc-

ture and function of the biological communities

present.

These future climate-change scenarios proposed

for the pampean area project an increment in rainfall

that will strongly affect the biological communities.

Higher rainfall can increase erosion and generate

flooding; thereby increasing the transport of sedi-

ments, nutrients, and contaminants to the ocean so as

to affect the degree of water mineralization. The

changes in the discharge and in the turbidity of the

water would affect the residence time and the light

penetration of the water column.

Fig. 8 The temperatures on

different climatic outcomes

(in pampean area) defined

in the Special Bulletin

Concerning Emission

Scenarios of the

Intergovernmental Panel on

Climate Change (IPCC,

USA)—pampean region

(Modified from Hulme &

Sheard, 1999)
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The modifications in the use of the soil will probably

favor the input of nutrients. This latter effect will

benefit autotrophy, particularly by those species capa-

ble of generating strategies for surviving in more turbid

and enriched environments. An accelerated eutrophi-

cation will change the composition of the consumers in

favor of herbivores and detritivores. Litter decompo-

sition brought about by bacteria and fungi will become

modified by the changes in temperature along with a

greater availability of organic matter, both autochtho-

nous and allochthonous. The fungi will make use of a

major quantity of vegetal material for decomposition,

which possibility would imply an elevation in cellu-

lolytic and ligninolytic enzymes. The alterations in the

processes of microbial decomposition will in turn

modify the utilization of that material on the part of the

invertebrates.

According to Bustingorry (2008), the overflowing

of the bodies of water in the pampean plains would

evoke a dilution with respect to the salinity without

changing the concentration of the nutrients. With the

aim of analyzing the effects of increasing nutrient

levels within the pampean waterways, a nutrient-

enrichment experiment was recently performed in the

La Choza Stream, located between 34�3901400 and

34�4705100S and 59�1000000 and 58�301700W; the

basin’s drainage surface is 15,200 ha. Sixty-four per

cent of the basin is used for cattle raising and 34% for

extensive agriculture, while the remaining 2% is

divided between bird raising and urban use. The

fertilization experiment was carried out between

2007 and 2008. The immediate objective was to

simulate the increase in nutrients in a plains fluvial

system with its headwaters subjected to unhabitual

hydrologic irregularities attributable to global cli-

matic changes resulting from human activity. The

long-term aim was then to examine the resulting

changes in the biological structure of the trophic

network and the functioning of the metabolic pro-

cesses in the resident communities. The experiment

Fig. 9 The precipitations

on different climatic

outcomes (for pampean

area) defined in the Special

Bulletin Concerning

Emission Scenarios of the

Intergovernmental Panel on

Climate Change (IPCC,

USA)—pampean region

(Modified from Hauer &

Lamberti, 1996)
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involved a study of two 100-m stretches of the stream

(Control and Treatment) for a period of 9 months

prior to the addition of quantities of phosphorus and

nitrogen that would triple the average initial concen-

trations in the treated segment. After the stream

fertilization in this manner, both stretches were then

monitored for the subsequent 12 months in a follow-

up study. This experiment analyzed not only the

structural response in the producers (macrophytes,

epiphyton, epipelon, and phytoplankton), the con-

sumers (invertebrates and fish), and the decomposers

(bacteria), but also both the functional response and

the primary production plus the exoenzymatic activ-

ities of the epiphyton, phytoplankton, and epipelon

communities.

The preliminary results suggest that the bacteria

and the algae associated with the sediment responded

significantly to the addition of the nutrients (Cochero

et al., 2008) by doubling their biomass. An increment

in the abundance of the browsers or herbivores within

the macroinvertebrate community represented princi-

pally by the gastropod mollusks Pomacea canalicu-

lata and Heleobia sp. also occurred, presumably as a

consequence of the increase in the biomass of the

primary producers (Rodrigues Capı́tulo et al., 2008).

Changes in the structure of the diatom taxocenosis

were also noted with a reduction in the number,

diversity, and evenness of species such as Nitzschia

frustulum, N. inconspicua, N. amphibia along with an

increment in their density relative to the control values

(Licursi & Gómez, 2009). In terms of functional

responses, fertilization resulted in a duplication in the

production of macrophytes and a 68% reduction, on

the average, in the concentration of alkaline phos-

phatase in the treated segment relative to control

values (Cochero et al., 2008; Vilches et al., 2008).

Another example of the expected results from a

high-temperature scenario is found in the loricariid

fish Hypostomus commersoni. This species has a low

tolerance to cold water, which characteristic limits its

southernmost distribution. An increment in the dis-

persal of this species toward the south and west from

1960s can be explained not only by the implemen-

tation of canals to drain off excess water, but also by

the accompanying rise in temperature (López &

Miquelarena, 1991; Gómez, 2008). Similar predic-

tions can be made with respect to mollusks, insects,

and crustaceans, whose distributions were previously

relegated to subtropical zones. For example, the

displacement of mollusks of the genus Physa (Phys-

idae), of Anisoptera such as Anax amazili, and of

dipteran like Aedes aegypti toward the south and west

of the pampean area is presently underway (Rodri-

gues Capı́tulo, 1981). Another consequences of

global warming is an elevation in the sea level. In

addition to increasing the erosion of the coastline, this

alteration would adversely affect the accessability of

the mouths of rivers and streams so as to allow the

entrance of estuarial fish into the continental network.

According to Kruse & Mas-Pla (2009), changes in

the morphology of the coastal plain of the Pampean

region would contribute to the deterioration of

groundwater resources within the new climate-

change scenarios. Rising sea levels would cause an

alteration in groundwater level and a displacement of

the border toward the continent, thus causing an

incursion of salt water from the ocean into the

aquifers. Other negative impacts associated with

coastal flooding are storms that would lash the banks

of the Rio de la Plata and the Parana River delta and

in doing so affect the human activity in that area.

In order to satisfy the need for food resulting from

the projected increase in the world population in the

years ahead, an increase in agricultural production

will be necessary. This situation, coupled with new

climate-change scenarios, will lead to profound

socioeconomic changes in the pampas region, causing

a greater demand for water resources and land uses.

These changes in the future are expected on the basis

of the increase in pampean agricultural production

that has occurred since 1950, partially as the result of

an expansion of the agricultural western boundary.

During the last decade, there were increases in the

cultivated land area of approximately 100,000 km2

and in the population of the province of Buenos Aires

of some 8%, with a projected further rise of 4.4% in

the latter parameter by the year 2015 (INDEC, 2004).

A final consideration is that even though climate

changes can in general be predicted, alterations in the

environment introduced by man can also occur at

random and for that reason will remain only poorly

predictable.
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Latina. OEA, Serie Biologı́a, Monog. No 13, Versión

Corregida, Secretarı́a General de los Estados Americanos,

Programa Regional de Desarrollo Cientı́fico y Tecnológ-

ico, Washington DC.

Cochero, J., M. Licursi, D. E. Bauer, M. E. Sierra, A. Giorgi, S.
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peces de la laguna de Chascomús, con un intento de ref-
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INDEC, 2004. Análisis demográficos del Instituto Nacional de

Estadı́stica y Censos. Ministerio de Economı́a y Produc-

ción Secretarı́a de Polı́tica Económica. Serie N 30.
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tribución estacional del zooplancton. Revista de la Aso-

ciacion de Ciencias Naturales del Litoral 15: 135–155.
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López, H. L., R. C. Menni, M. Donato & A. M. Miquelarena,

2008. Biogeographical revision of Argentina (Andean and

Neotropical Regions): an analysis using freshwater fishes.

Journal of Biogeography 35(9): 1564–1579.

Marano, A. V., M. Barrera, M. M. Steciow, J. Donadelli & M.

C. N. Saparrat, 2008. Frequency, abundance and distri-

bution of zoosporic organisms from Las Cañas stream
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brados. Resúmenes II Congreso Argentino de Limnologı́a.

Buenos Aires: 138.

Rodrigues Capı́tulo, A., A. C. Paggi & C. S. Ocón, 2002.

Zoobenthic communities in relation with slope, substrate

heterogeneity and urban disturbances on pampean hills

69Reprinted from the journal

Hydrobiologia (2010) 657:53–70

123



streams (Argentina). Verhandlungen Internationale Vere-

inigung für Theoretische und Angewandte Limnologie 28:

1267–1273.

Rodrigues Capı́tulo, A., C. S. Ocón & M. Tangorra, 2003. Una

visión bentónica de rı́os y arroyos pampeanos. Biologı́a
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Res. V Cong. de Ecologı́a y Manejo de Ecosistemas
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Abstract This study uses the results from in situ
13C-labeling experiments conducted in six streams

representing a gradient in nutrient enrichment to explore

how nutrient availability, stoichiometry, and the com-

position of active biofilm phototrophs may regulate

C cycling in epilithic biofilms. Carbon cycling was

tracked through epilithic biofilm communities by

assessing net primary production (NPP) and
13C-labeling of biofilm phospholipids fatty acids

(PLFA), and stream water dissolved organic carbon

(DOC) within light and dark enclosure incubations. We

used generalized linear models coupled with an infor-

mation-theoretic approach for model selection to assess

which factors most influenced C exchange within and

DOC release from these biofilms. The ratio of new C

incorporated into heterotrophic bacterial PLFA ia15:0

to total polyunsaturated fatty acids (PUFA) indicated

that greatest algal–bacterial exchange occurred in the

two most nutrient-poor streams. Further, this ratio was

best predicted by newC18:3x3/PUFA suggesting increased

relative activity of some algae relates to reduced algal–

bacterial C exchange within these biofilms. Net release

of DOC represented 2–45% of NPP with greatest release

of DOC having occurred in the two most nutrient-rich

streams. Further, the model selection indicated that

newC18:3x3/PLFA was the only highly plausible explan-

atory factor for net DOC release, while a combination of

NPP and newC18:3x3/PLFA was a strong predictor of the

quantity of new C released as DOC. The results

presented here indicate factors regulating or correlating

with the activity of green algae in these biofilms

regulated the exchange of C within and DOC release

from these biofilms. This suggests increased algal

exudation and greater biofilm development with nutri-

ent enrichment may increase DOC release but reduce

bacterial use of autochthonous C within these biofilms.

Keywords Dissolved organic carbon �
Bacterial–algal exchange � Exudation �
13C-PLFA � Carbon cycling � Epilithic biofilm

Introduction

Global environmental change and its impacts on the

terrestrial landscape include direct and indirect

increases in nutrient input to watersheds where impacts

are typically greatest in the most biogeochemically

active regions—headwater streams (Vitousek et al.,
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1997). Direct anthropogenic nutrient sources as well as

altered nutrient cycling in the landscape due to human

activities such as agriculture, urbanization and forestry

practices, insect infestation, and climate change have

all resulted in the globally ubiquitous nutrient enrich-

ment of aquatic ecosystems. The consequences of this

nutrient enrichment include both localized phenom-

ena, such as eutrophication, species extinction, water

quality degradation, toxic algal blooms and fish kills,

as well as global scale consequences, such as the

frequent development and persistence of dead zones

(Rabalais, 2002) and altered N-cycling and resulting

increased N2O fluxes (Seitzinger & Kroeze, 1998).

Headwater streams are the hot spots for nutrient and

organic matter processing within watersheds, this key

role in the landscape is primarily due to the large

substrate surface area relative to water volume which

results in a strong effect on the downstream export of

nutrients and organic matter (Alexander et al., 2000;

Peterson et al., 2001). Microbial biofilms, attached to

these surfaces in headwater streams, are largely

responsible for the nutrient and organic matter uptake

and transfer to higher trophic levels (Grimm, 1987;

Dodds et al., 2000). Changes in the biological and

physical structure of biofilms can alter the exchange of

stream water nutrients and cause variation in substrate

availability for microbial activity across the biofilm

interior and perimeter (Arnon et al., 2007). Further, the

organic carbon supplies from algae and cyanobacteria

can be a significant source of energy for heterotrophic

bacteria in biofilms making such associations critical

to biofilm function (Murray et al., 1986; Neely &

Wetzel, 1995). Though structurally and functionally

variable, such biofilm communities do respond readily

to external factors including nutrient availability in

stream water (Bothwell, 1985; Lohman et al., 1991;

Guasch et al., 1995; Stelzer & Lamberti, 2001).

Nutrient enrichment of the aquatic environment can

significantly alter the structure of phototrophic commu-

nities (Pringle, 1990), with the identification and com-

munity structure of phototrophs having been used as

indicators of nutrient pollution and impact (Patrick,

1972; Patrick & Palavage, 1994). Further, studies have

indicated changes in algal species richness with

increased nutrient availability (Mccormick & Steven-

son, 1991; Biggs & Smith, 2002; Passy, 2008) with

emphasis on benthic community nutrient content as the

key indicator of nutrient availability given the role of

N-fixation in N-deplete streams (Peterson & Grimm,

1992; Biggs & Smith, 2002). Changes in stream biofilm

phototrophic composition can be important to both

trophodynamics and biogeochemistry of streams due to

the varied palatability of different algae and cyanobac-

teria to grazers (Gregory, 1983; Mccormick & Steven-

son, 1991; Steinman, 1996) and potential differences in

how they support heterotrophic bacteria or generate

stream water DOC. At this point, however, there is

limited understanding of the linkage among nutrient

enrichment, biofilm phototrophic communities, and

carbon cycling in streams.

The extent of nutrient cycling in headwater streams

typically depends on the availability of dissolved

organic carbon (DOC) for heterotrophic use

(Bernhardt & Likens, 2002). Autotrophic-derived

DOC can be a key energy source for heterotrophic

activity in streams (Kaplan & Bott, 1982, 1989).

Furthermore, positive relationships between algal and

bacterial biomass within stream biofilms have been

observed in streams (Romani & Sabater, 1998; Rier

et al., 2007) and attributed to habitat structure such as

substrate surface area for algae (Pusch et al., 1998) as

well as the use of algal-released DOC by heterotrophic

bacteria (Haack & Mcfeters, 1982; Carr et al., 2005).

The source of autochthonous DOC in streams may be

regulated by nutrient availability. For example, nutri-

ent enrichment can regulate the release of DOC by

algae typically decreasing the fraction of primary

production released as DOC (Fogg, 1983). In pelagic

systems, elevated nutrients have been shown to

stimulate algal DOC exudation and subsequent bacte-

rial activity during the late stages of blooms when

algae become nutrient limited (Norrman et al., 1995;

Van Den Meersche et al., 2004). In stream biofilms,

however, stimulation of algal production occurs with

nutrient enrichment but this increased production can

become decoupled from bacterial activity (Scott et al.,

2008). This suggests that potential DOC release by

algae can become decoupled from heterotrophic

bacterial production in stream biofilms.

Recent studies conducted in pairs of contrasting

streams indicate that the nutrient status of streams may

regulate both the exchange of C within eplithic

biofilms and between the biofilm and stream water

DOC pool (Lyon & Ziegler, 2009; Ziegler et al., 2009).

In each of these investigations, a greater proportion of

autotrophic C was incorporated into heterotrophic

bacterial biomass within the epilithic biofilms in the

nutrient-poor relative to the nutrient-rich streams. In
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addition to regulating the exchange of C between

heterotrophs and autotrophs, general nutrient status

appears to influence the fraction of NPP released as

DOC. Factors, such as nutrient availability and

limitation or microbial community composition, that

regulate this observed variation in C flow remain

unknown but are important to our understanding of

how environmental change may impact the biogeo-

chemistry of stream ecosystems.

Here, we investigate the relative importance of

nutrient status and the composition of active phototrophs

in driving the previously observed differences in

C cycling and exchange, by analyzing results of
13C-labeling in stream enclosure experiments conducted

within the same six headwater streams, ranging in

nutrient status, over three seasons. This study differs

from these previous two studies in that it uses a new set

of data collected in fall 2005 in combination with the

existing data sets across all six study streams to directly

assess how nutrient availability and community compo-

sition of active biofilm phototrophs varies among these

sites and how these attributes may regulate the variation

in C flow and release in these stream ecosystems. The

limited number of times these in situ 13C-labeling

experiments were conducted across these six streams

precludes us from statistically testing many potential

factors regulating C cycling and flow in these biofilms.

Rather the goal of this study was to consider multiple

working hypotheses (sensu Chamberlain, 1897) in order

to assess the relative importance of nutrient availability

and the composition of active phototrophic groups in

regulating C flow and exchange in stream biofilms.

Specifically, we exploit these data to assess the relative

importance of nutrient availability and the relative

phototrophic activity of a single group (green algae) in

regulating; (1) DOC source and flux, and (2) algal–

bacterial C exchange in these biofilms. The significance

of this work, determining the relative importance of

tracking autotrophic C in stream biofilms, lies in its use

to refine future approaches to better understand the

effects of global change on stream biogeochemistry.

Materials and methods

Study sites

Biofilm-colonized rock substrate was collected from

and incubated at mid-stream sites in six headwater

streams (Huey Hollow, Cecil Creek, Mill Creek,

Spavinaw, Moore Creek, and Columbia Hollow)

located in northwest Arkansas region of the Ozark

Plateau, USA. Details regarding the stream and

watershed land cover for Cecil, Mill, Spavinaw, and

Columbia can be found in Lyon & Ziegler (2009),

and for Huey and Moore they can be found in Ziegler

et al. (2009). Briefly, the watersheds ranged from 11

to 57 km2, and all streams were alkaline with high

dissolved inorganic carbon (DIC) concentrations and

covered over a 100-fold range of total dissolved

nitrogen and soluble reactive phosphorus (SRP)

concentrations representative of the wide range of

nutrient loading existing in the region (Table 1). All

research sites were located in deciduous forested

regions with wooded riparian zones except Moore

and Columbia, which were both located in pasture

with primarily open to sparsely treed riparian zones.

Field enclosure experiments for investigating

biofilm C cycling

Data analyzed in this study were collected from in

situ field enclosure experiments that took place in the

winter, summer, and spring of 2003 in Huey and

Moore as part of a study focused on one pair of

streams contrasting in nutrient enrichment history

(Ziegler et al., 2009) and in spring 2006 in Cecil,

Mill, Spavinaw, and Columbia as part of a separate

study of two pairs of streams contrasting, again, in

nutrient enrichment history (Lyon & Ziegler, 2009).

Additionally, the data used in this study included

results from four new experiments conducted in

Cecil, Mill, Spavinaw, and Columbia in fall 2005.

Details of the methods for the enclosure experiments

can be found in Ziegler et al. (2009) and Lyon &

Ziegler (2009). Briefly, rocks from the stream

benthos representative of the typical size, surface

area, and biofilm colonization of the stream were

randomly distributed into three transparent and three

opaque 12 L polycarbonate enclosures following

removal of large invertebrates. Some grazers such as

small snails and chironomids, however, remained in

the enclosures. An additional set of rocks were

immediately sampled for initial biofilm properties

[dry weight, %C, %N, chlorophyll content, d13C,

d15N, phospholipid fatty acids (PLFA) concentration

and C isotopic composition] by scraping, brushing,

and rinsing the rocks. Eight liters of ambient stream
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water, previously spiked with a solution of

NaH13CO3 (final d13C-DIC approximately 750%)

and equilibrated, was dispensed into each enclosure,

and circulation of water (0.26 l min-1) within the

individual enclosures was started using silicone

tubing and individual peristaltic pumps (APT Indus-

tries Model: SP301C.0045SP). At 15 min and 8–

8.5 h after commencing circulation, measurements of

DO, temperature, and pH were made and water

samples collected for DIC, DOC, ammonium

(NH4
?), nitrate ? nitrite (NO2/3

-), soluble reactive

phosphorus (SRP), d13C-DOC, and d13C-DIC captur-

ing the initial and final samples for each incubation.

The entire biofilm community from each enclosure

was collected for final biofilm properties as described

for the initial biofilm sample. The chlorophyll a

content of the biofilms were determined by extraction

of lyophilized biofilm in 90% acetone followed by

centrifugation and absorbance measurements made

on a Shimadzu UV-1201 spectrophotometer (Loren-

zen, 1967; Jeffrey & Humphrey, 1975).

In order to determine the importance of stream

water respiration and net primary production (NPP),

twelve 300 ml biochemical oxygen demand (BOD)

bottles were filled with stream water at the beginning

of the incubation period. Four of the bottles were

measured for initial DO by Winkler titration on an

automated titrator with potentiometric endpoint

detection, and the remaining bottles, half of which

were wrapped with foil to block light exposure, were

incubated during the experiment at approximately the

same depth as the enclosures and measured for final

DO after 8 h by Winkler titration.

Primary production and carbon fluxes

Total enclosure NPP was determined from the

decrease in DIC concentration in each individual

light enclosure. Stream water primary production

within each enclosure was estimated by converting

the net DO uptake measured in the BOD bottles

(lmol O2 l-1 h-1) to the same units as for the total

enclosure NPP (mmol C mol biofilm C-1 h-1) by

assuming a photosynthetic quotient of 1.0 and

normalizing to biofilm C using the stream water

volume and biofilm C within individual enclosures.

Table 1 Average water pH, dissolved inorganic nitrogen (sum

of nitrate, nitrite, and ammonium), dissolved soluble reactive

phosphorus (DIP), dissolved organic carbon (DOC), biofilm

biomass given as total biofilm C in the light enclosures (mmol

C), molar carbon to nitrogen ratio of epilithic biofilms,

chlorophyll a content given as lg Chl a per mg biofilm C,

stable nitrogen isotopic values of biofilms in %, and the

polyunstaturated phospholipid fatty acid (PUFA) content given

as lg PUFA per g biofilm C at each of the six study streams in

each season the experiments were conducted. All values are

given as mean ± 1 standard deviation. All measurements

where concentrations or rates were below detection are

designated BD. The photosynthetically active radiation

(PAR) measured at the water surface within 1 h of solar noon

during the incubation is provided as a means to compare light

availability among the sites and seasons

Site Season pH DIN

(lM)

DIP

(lM)

DOC

(lM)

Biofilm

biomass

Biofilm

C:N

Chl a:C Biofilm

d15N

PUFA PAR (mW cm-2)

Huey W 7.7 3.5 ± 0.3 0.3 ± 0.01 19 ± 1 30 ± 10 11.7 ± 0.4 8 ± 0.2 -1.0 ± 0.6 0.8 ± 0.2 2.2

Sp 7.9 1.5 ± 0.3 0.3 ± 0.04 61 ± 4 55 ± 12 11.4 ± 0.1 4 ± 0.5 -0.5 ± 0.9 1.3 ± 0.3 4.4

Su 7.9 3.6 ± 0.7 0.3 ± 0.03 80 ± 3 21 ± 8 11.6 ± 0.4 5 ± 0.7 -0.9 ± 0.4 1.4 ± 0.1 3.4

Cecil Sp 8.3 4.3 ±0.3 0.2 ± 0.02 165 ± 3 20 ± 3 15.2 ± 1.1 4 ± 1.4 1.4 ± 0.4 0.9 ± 0.2 3.4

Fall 9.0 2.7 ± 0.4 0.02 ± 0.001 67 ± 6 66 ± 9 17.3 ± 0.5 5 ± 0.8 0.1 ± 0.2 NA NA

Mill Sp 8.0 27 ± 0.7 BD 198 ± 9 157 ± 29 19.9 ± 0.7 7 ± 1.0 6.3 ± 0.1 1.1 ± 0.2 3.2

Fall 9.0 63 ± 0.9 BD 82 ± 6 70 ± 14 17.3 ± 1.4 6 ± 0.5 6.6 ± 0.2 NA NA

Spavinaw Sp 7.6 176 ± 2 0.7 ± 0.03 41 ± 2 47 ± 14 13.8 ± 1.2 6 ± 1.1 5.1 ± 0.6 1.0 ± 0.1 3.3

Fall 8.3 239 ± 2 0.6 ± 0.01 40 ± 1 53 ± 5 11.1 ± 0.3 12 ± 1.1 4.3 ± 0.2 NA NA

Moore W 7.4 24 ± 2 8.7 ± 1.1 284 ± 7 45 ± 12 8.2 ± 0.5 22 ± 3.2 5.9 ± 0.4 2.0 ± 0.1 4.6

Sp 7.3 3.0 ± 0.5 11.5 ± 0.3 644 ± 4 86 ± 23 8.2 ± 0.7 11 ± 1.0 8.2 ± 0.3 2.5 ± 0.5 7.1

Su 7.5 1.3 ± 0.2 1.2 ± 0.1 613 ± 5 54 ± 19 11.7 ± 0.8 7 ± 1.9 7.5 ± 0.6 2.0 ± 0.4 7.8

Columbia Sp 7.5 566 ± 8 14.8 ± 0.1 390 ± 7 25 ± 9 7.4 ± 0.1 18 ± 2.1 23.1 ± 2.0 2.9 ± 0.4 5.2

Fall 7.8 1800 ± 0 18.2 ± 0.001 381 ± 0.1 42 ± 15 6.8 ± 0.1 25 ± 3.7 4.5 ± 1.0 NA 4.4
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Net DOC release was estimated for each enclosure

from the difference between initial and final DOC

concentrations during the course of the incubation

within both light and dark enclosures. The dark

enclosures were used as controls to determine if C

fluxes were the result of light-mediated processes.

The net DOC flux derived from C fixed during the

incubation (new C) was estimated for all positive

fluxes (release of DOC into stream water) using the

equation:

new C released as DOC ¼
d13CDOCf

� d13CDOCi

d13CDICi
� d13CDOCi

� ½DOC�f ; ð2Þ

where d13CDOCf
is the d13C of DOC in the enclosure

at the end of the incubation, d13CDOCi
is the d13C of

DOC in the enclosure at the start of the incubation

period, d13CDICi
is the d13C of DIC in the enclosure at

the start of the incubation period, and ½DOC�f is the

concentration of DOC at the end of the incubation

period. This estimate of the new C released as DOC

may be conservative because the isotopic fraction-

ation associated with the uptake and fixation of the

DIC during the incubations was not included in our

calculations. This factor can be governed by stream

flow (France, 1995) which would be one factor

consistent among the enclosure incubations. How-

ever, this fractionation likely represents a small part

of the change in d13C of the newly fixed C, given that
13C enrichment of the labeled DIC pool was approx-

imately 50 times the level of fractionation expected.

Because of the high spatial variability of stream

benthic substrate surface area and type (e.g.,

sediment, gravel, and rock surface), flux measure-

ments per unit stream area or stream reach could not

be adequately determined from the enclosure exper-

iments. All flux measurements were, therefore, nor-

malized to biofilm carbon (e.g., NPP is reported in

mmol C mol biofilm C-1 h-1) to enable comparison

of flux rates associated with the biofilm communities

among study sites and across seasons.

Phospholipid fatty acid analysis

Details on the sample handling and analytical meth-

ods used to determine the concentration and d13C of

individual phospholipid fatty acids (PLFA) in the

epilithic biofilms in these enclosure experiments are

provided in Lyon & Ziegler (2009) and Ziegler et al.

(2009). Briefly here, lyophilized biofilms were

extracted, lipid class separated, saponified, and

derivatized to fatty acid methyl esters (FAMEs)

according to (Dobbs & Findlay, 1993; White &

Ringelberg, 1998). FAMEs were quantified by gas

chromatography (GC) using a flame ionization

detector (Agilent 6890) and identified with a

GC-mass spectrometer (Agilent 6890 and Agilent

5970inert mass selective detector). The d13C of

individual PLFA was determined by analyzing the

FAMEs on a GC (Agilent 6890) interfaced (via a GC/

CIII, ThermoFinnigan, Bremen, Germany) with an

isotope ratio mass spectrometer (DeltaPlus, Thermo-

Finnigan, Bremen, Germany). When used, a correc-

tion for the addition of the methyl carbon from the

BF3-methanol derivatization was calculated for each

fatty acid by mass balance using standards. Stable

isotopic ratios were measured relative to high purity,

calibrated, and reference gas standards expressed

relative to international standard PDB. All GCs used

the same parameters and capillary column (50 m

SGE BPX-70).

Polyunsaturated PLFA (16:2x4, 16:2x6, 18:2x6,

18:3x3, and 20:5x3) were attributed to algae with

18:3x3 and 20:5x3 primarily attributed to green

algae and diatoms, respectively (Wood, 1988; Find-

lay & Dobbs, 1993). Terminally branched fatty acids

(i15:0 and a15:0) were attributed to heterotrophic

bacteria as they are not commonly found in cyano-

bacteria (Parker et al., 1967; Merritt et al., 1991;

Ahlgren et al., 1992). Due to its high concentration in

many freshwater cyanobacteria (Sallal et al., 1990;

Merritt et al., 1991; Ahlgren et al., 1992), PLFA

16:1x7 was used to track changes in the contribution

of cyanobacteria. The relative abundance of these

diagnostic PLFA can vary among microbial grouping

given that relative phospholipid content varies among

microbial groups (e.g., White, 1983; Cooksey et al.,

1987; Findlay et al., 1989). Therefore, it is important

to note that the quantities or percentages of these

PLFA, or newly fixed C incorporated into these

PLFA, can only be used to compare among samples

and not to assess differences in abundance or activity

between microbial groups. Individual PLFA concen-

trations were converted to nmols or lmol PLFA C

and used to calculate the flow of autotrophic or newly

fixed C into the total pool of PLFA-C (newCPLFA)

and individual PLFA extracted from the enclosure
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biofilms. The quantity of newCPLFA was determined

by the change in d13C of the total PLFA pool between

the initial and final biofilm samples according to the

following equation:

newCPLFA ¼
d13CPLFAf

� d13CPLFAi

d13CDICi
� d13CPLFAi

� CPLFAf
;

ð3Þ

where d13CPLFAf
and d13CPLFAi

are the d13C of the total

PLFA C pool at the start and end of the incubation,

respectively, and CPLFAf
is the total quantity of

PLFA-C (lmol C) in the biofilm within the enclosure

at the end of the incubation. The same equation was

applied to individual PLFA to obtain the quantity of

new C incorporated into individual PLFA (16:1x7,

18:3x3, and 20:5x3), bacterial PLFA as sum of i15:0

and a15:0 (ia15:0) and the sum of all polyunsaturated

fatty acids (PUFA) to obtain the flow of autotrophic C

into different microbial groups during the enclosure

incubations. Further, the proportion of newly fixed C

incorporated into these individual or groups of PLFA

relative to the newly fixed C incorporated into the

total PLFA pool was calculated to obtain a relative

activity level of microbial groups in these biofilms

using the following equation provided for PLFA

18:3x3 as an example:

newC18:3x3=PLFA %ð Þ ¼ newC18:3x3

newCPLFA

� 100; ð4Þ

where newC18:3x3 is determined for the PLFA

18:3x3 from Eq. 3. Additionally, the quantity of

newly fixed C incorporated into ia15:0 relative to

PUFA (newCia15:0/PUFA) was used as a relative

measure of newly fixed C incorporated by bacteria

relative to C fixed by eukaryotic algae during the

light enclosure incubations:

newCia15:0=PUFA ¼
newCia15:0

newCPUFA

ð5Þ

where newCPUFA is the new C incorporated into the

sum of all polyunsaturated fatty acids.

Statistical analyses and modeling

Paired t tests were used to determine if initial and

final measurements of DIC and DOC concentration

and quantities of newly fixed C as DOC from the

enclosures were significantly different before using

them in the NPP and net release calculations. Since

NPP was found to be the major factor regulating

autotrophic C flow rates in previous analyses (Lyon

& Ziegler, 2009; Ziegler et al., 2009) all modeling

was conducted using NPP as a predictor variable and

using total C released or incorporated per unit biofilm

biomass per unit time. Here, we use site and season

averages and include NPP as a predictor variable to

assess the relative importance of nutrient availability

and stoichiometry as well as active phototroph

composition in predicting the variation in C cycling

in these biofilms.

The dependent variables used to assess C cycling in

these biofilm experiments were modeled using

chi-square (v2) statistics from analysis of deviance

within the framework of the generalized linear model

(GLM). The assumptions of homogeneity and normal

errors for each GLM (Lindsey, 1997) were checked by

plotting residuals versus fits and by plotting residuals

as probability plots. In cases where the violations were

strong, a different error structure was applied to the

GLM. The exponential error distribution was found to

produce acceptable residuals in most cases where

normal error assumptions were violated. The expo-

nential distribution is a special case of the gamma

distribution and like the gamma distribution its effect

is to reduce the weight given to observations exhib-

iting greater error (Lindsey, 1997). In the GLMs using

the exponential error distribution, the deviance resid-

ual by predicted plot was assessed to determine if the

assumptions of the model were met before further

statistical analysis (Hoffmann, 2004). Those GLMs

where an exponential error distribution was employed

are listed in model results tables provided. All GLMs

were calculated using JMP 8.1 (SAS; Cary, NC). All

analyses employed an alpha level of 0.05 with a

Bonferroni correction applied to reduce alpha to avoid

inflating Type I error resulting from the multiple tests

conducted (Zar, 1999).

Predictor variables were chosen among those

variables captured in these experiments which best

represented nutrient availability (biofilm C:N),

stoichiometry (stream water DIN:DIP), and a mea-

sure of the relative composition of active phototrophs

in these biofilms (new C incorporated into green algal

PLFA 18:3x3 as percent of new C incorporated into

total PLFA; newC18:3x3/PLFA). C:N or C:P ratios are

considered to be more integrative measures of stream

nutrient status relative to DIP or SRP concentrations
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(Dodds, 2003). In this study, streamwater DIN and DIP

were both correlated to NPP (P = 0.0438 and

P = 0.0024, respectively), while biofilm C:N and

stream water DIN:DIP were not, nor were biofilm C:N

and DIN:DIP correlated. Therefore, the role of nutrient

status was assessed by investigating biofilm C:N and

stream water DIN:DIP to capture the most integrated

measures of nutrient status and avoid confounding

correlations. Further, we used the green algae PLFA

18:3x3 because newC18:3x3/PLFA, unlike newC16:1x7/

PLFA which was correlated to NPP (P = 0.0021), was

not correlated to NPP (P = 0.6949), biofilm C:N

(P = 0.6564), or DIN:DIP (P = 0.8695). Since

18:3x3 is a polyunsaturated PLFA, it is possible that

newC18:3x3/PLFA may covary with the quantity of new

C incorporated into total polyunsaturated PLFA

(newCPUFA). Since 18:3x3 as a percent of total

polyunsaturated PLFA (newC18:3x3/PUFA) would not

be expected to vary with the quantity of newCPUFA, we

used newC18:3x3/PUFA in place of newC18:3x3/PLFA in

the models investigating variation in the ratio of new C

incorporated into heterotrophic bacterial PLFA ia15:0

to newCPUFA. This was likely an over cautious

approach since both newC18:3x3/PLFA and newC18:3x3/

PUFA were not found to be correlated to newCPUFA

(P = 0.3283; P = 0.3670, respectively), however, we

wanted to avoid testing factors that may be related to

denominator or numerator of the ratio tested.

Because of the exploratory nature of this study, a

multiple-hypothesis approach, similar to that used by

Hay et al. (2008), was used to fit all possible GLMs for

each dependent variable. The uncertainty of model

selection was expected to be high because of the large

number of predictor variables (3 or 4) relative to the

number of observations (10 or 14). We, therefore,

chose to use a model-based inference procedure using

an information theoretic approach to rank the likeli-

hood of the models given the data to assess the

importance of different sets of predictors when

compared against each other (Burnham & Anderson,

2002). The multi-model inference approach used here

ranks predictors by their relative importance in

predicting the data given, thereby allowing us to

determine the strength of evidence for the importance

of each predictor. Further, averaging over all subsets of

possible models avoids the use of marginal statistics in

selecting predictor variables and therefore the prob-

lems associated with multicollinearity (Graham,

2003). Models were evaluated using Akaike’s

Information Criterion (AIC; Burnham & Anderson,

1998). Because of the low ratio of sample size to

number of predictor variables, we used the Akaike

Information Criterion modified for small sample size

(AICc; Wedderburn, 1974; Burnham & Anderson,

1998). Where global models exhibited overdispersion,

the quasi-AICc (QAICc) was employed (Burnham &

Anderson, 2002). Akaike weights (wi) were also

calculated (Burnham & Anderson, 2002) and provide

a measure of the weight of evidence in favor of one

model relative to the others (White, 2001).

Results

Net primary production and biofilm carbon

fixation

Total enclosure NPP, measured as dissolved inor-

ganic carbon (DIC) uptake in the light enclosure

incubations ranged from 1.2 to 25.6 mmol C mol

biofilm C-1 h-1 (Fig. 1). Results of least squares

analysis of NPP versus new C incorporated into the

biofilms yielded a slope = 0.4700 ± 0.034 and

r2 = 0.9424 (P \ 0.0001, n = 14) indicating that

incorporation of new C was roughly 50% of NPP

measured as DIC uptake across all six study streams
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Fig. 1 Net primary production measured as dissolved inor-

ganic carbon uptake in the replicate light enclosures and

normalized to total enclosure biofilm biomass C for each of the

six study streams. Season is indicated below each site and

corresponds to winter (W), spring, (Sp), summer (Su), and fall

(F). Values are provided as mean ± 1 standard deviation

(n = 3)
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and seasons and that variation in this incorporation of

new C was largely explained by NPP. The reduced

incorporation of new C into biofilm relative to NPP

was likely due to a combination of loss upon

sampling and loss to DOC. Total NPP measured as

DIC uptake was, therefore, used here since it

represented our best estimate of total C fixation

during these incubation experiments.

Stream water NPP, estimated from dissolved

oxygen production in light BOD bottle incubations

conducted simultaneously with enclosure incuba-

tions, was typically below detection at all stream

sites with the exception of Spavinaw in spring

(0.19 ± 0.01 mmol C mol biofilm C-1 h-1), Moore

in summer (0.01 ± 0.0002 mmol C mol biofilm

C-1 h-1), and Columbia in spring (7.6 ± 0.04 mmol

C mol biofilm C-1 h-1) and fall (7.0 ± 0.67 mmol C

mol biofilm C-1 h-1). When measured and calcu-

lated for the entire volume of stream water in the

enclosures, stream water NPP represented\2% of the

total enclosure NPP in Spavinaw and Moore and

between 30 and 32% of total enclosure NPP in

Columbia.

Carbon incorporation into epilithic biofilm

phototroph PLFA

The absolute quantities of polyunsaturated phospho-

lipid fatty acids was highest in the two most nutrient-

rich sites and followed the trend in biofilm Chl a:C

ratios among the study streams (Table 1). However,

the incorporation of newly fixed C, as determined

from the 13C-label, into the polyunsaturated fatty

acids relative to total PLFA (newCPUFA/PLFA) as a

relative measure of eukaryotic algal photosynthetic

activity in these epilithic biofilms did not exhibit any

trend and ranged from 1 to 22% among the study

streams (Fig. 2a). The quantity of new C incorporated

into PUFA was generally higher in the two more

nutrient-rich streams; however, Huey Hollow exhib-

ited elevated newCPUFA in stream coinciding with

higher light availability at that time. Further, the

second-order AICc values for the models investigated

for newCPUFA/PLFA indicated that all three single

factor models were highly plausible given the data;

however, the P values for each of these models

indicate that they are not significant models for

predicting newCPUFA/PLFA (Table 2). Here and in

subsequent reporting of the modeling results, we

follow the protocols of Anderson et al. (2001) on the

presentation of analyses that involve model selection.
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Fig. 2 The incorporation of newly fixed C into total polyun-

saturated fatty acids (PUFA; a), cyanobacterial PLFA 16:1x7

(b), and green algal PLFA 18:3x3 (c) as a percent of the new C

incorporated into the total PLFA during the incubation of the

light enclosures in each of the six study streams. Season is

indicated below each site and corresponds to winter (W),

spring, (Sp), summer (Su), and fall (F). Values are provided as

means ± 1 standard deviation (n = 3)
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Investigation of relative photosynthetic activity of

individual phototrophic components of the epilithic

biofilms studied using 13C-labeled PLFA was limited

to the use of the cyanobacterial PLFA 16:1x7 and

green algal PLFA 18:3x3 since the diatom PLFA

20:5x3 was not found in sufficient quantities for

stable isotopic analysis in 9 of the 42 replicate

incubation experiments which reduced the degrees of

freedom well below our ability to use them in the

tests conducted here. The PLFA 20:5x3 although an

often reliable biomarker for diatoms is often not

found in large quantities relative to other PLFA

(Napolitano, 1999) and may be found in lower

concentrations under nutrient or light limiting condi-

tions and (Ahlgren et al., 1992). The proportion of

new C incorporated into cyanobacterial PLFA

16:1x7 relative to new C incorporated into total

PLFA (newC16:1x7/PLFA) ranged from 3 to 31% with

proportions being similar among most sites except

Huey Hollow where they were lowest overall

(Fig. 2b). The second-order AICc values for the

models investigated for newC16:1x7/PLFA indicated

that all three single factor models were highly

plausible given these data. However, the P values

Table 2 Log-likelihood and the second-order Akaike Infor-

mation Criterion, corrected for small sample size (AICc;

Wedderburn, 1974; Burnham & Anderson, 1998) for the

general linearized models (GLMs) for new C incorporated into

polyunsaturated phospholipid fatty acids (PUFA) as a % of

new C incorporated into total PLFA (newCPUFA/PLFA), new C

incorporated into cyanobacterial phospholipid fatty acid

(PLFA) 16:1x7 as a % of new C incorporated into total PLFA

(newC16:1x7/PLFA), and new C incorporated into green algal

phospholipid fatty acid (PLFA) 18:3x3 as a % of new C

incorporated into total PLFA (newC18:3x3/PLFA) measured in

the 10 experiments conducted across the 6 study streams.

K equals the number of parameters in the model including the

error term (E). Delta AICc (Di) values \4 are considered

plausible, those\2 are considered highly plausible (Burnham &

Anderson, 2002). Thus, in all three cases here models one, two,

and three are all highly plausible. The measure of the weight of

evidence in favor of the given model over all others is given as

wi. The parameters used in the models investigated were net

primary production (NPP), the ratio of carbon to nitrogen in the

biofilm (C:N), and the ratio of stream water dissolved inorganic

nitrogen to dissolved inorganic phosphorus (DIN:DIP). All

models exhibited overdispersion; however, the overdispersion

parameter for the global model was \1 in each case therefore

AICc was used to assess these models. The Bonferroni corrected

a = 0.0083

Log-likelihood K AICc Di wi P

Model (newCPUFA/PLFA)

NPP ? E -45.76 2 97.2 0.0 0.34 0.6947

DIN:DIP ? E -45.78 2 97.3 0.0 0.33 0.7367

C:N ? E -45.83 2 97.4 0.1 0.32 0.8835

NPP ? C:N ? NPP * C:N ? E -45.04 4 106.1 8.8 \0.01 0.6602

NPP ? DIN:DIP ? NPP * DIN:DIP ? E -45.33 4 106.7 9.4 \0.01 0.7952

NPP ? C:N ? DIN:DIP ? NPP * C:N ? NPP * DIN:DIP ? E -45.01 6 130.0 32.8 \0.01 0.8952

Model (newC16:1x7/PLFA)

DIN:DIP ? E -34.79 2 75.30 0.00 0.35 0.3001

C:N ? E -34.86 2 75.43 0.14 0.33 0.3333

NPP ? E -34.94 2 75.60 0.30 0.30 0.3800

NPP ? C:N ? NPP * C:N ? E -33.75 4 83.51 8.21 0.01 0.3697

NPP ? DIN:DIP ? NPP * DIN:DIP ? E -34.02 4 84.04 8.75 \0.01 0.4554

NPP ? C:N ? DIN:DIP ? NPP * C:N ? NPP * DIN:DIP ? E -32.42 6 104.84 29.6 \0.01 0.3247

Model (newC18:3x3/PLFA)

NPP ? E -25.20 2 56.12 0.00 0.36 0.5319

C:N ? E -25.27 2 56.25 0.13 0.34 0.6079

DIN:DIP ? E -25.38 2 56.47 0.35 0.30 0.8497

NPP ? DIN:DIP ? NPP * DIN:DIP ? E -24.62 4 65.24 9.12 \0.01 0.6696

NPP ? C:N ? NPP * C:N ? E -25.08 4 66.16 10.0 \0.01 0.9257

NPP ? C:N ? DIN:DIP ? NPP * C:N ? NPP * DIN:DIP ? E -22.64 6 85.28 29.2 \0.01 0.3563
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for each of these models indicate they are not

significant models for predicting newC16:1x7/PLFA in

these experiments (Table 2). The relative incorpora-

tion of new carbon into 18:3x3 (newC18:3x3/PLFA)

ranged from 0.2 to 10% of new C incorporated into

total biofilm PLFA with highest proportions found in

Moore and Columbia (Fig. 2c). Similar to the results

for newC16:1x7/PLFA, the second-order AICc values

for the models investigated for newC18:3x3/PLFA

indicated that all three single factor models were

highly plausible given the data. However, the P

values for each of these models indicate they are not

significant models for predicting newC18:3x3/PLFA

(Table 2).

Autotrophic carbon incorporation

into heterotrophic bacterial PLFA

The quantity of new C incorporated into ia15:0

(newCia15:0; mmol C mol biofilm C-1) was used to

assess the variation in the uptake of autotrophic C by

heterotrophic bacteria in these biofilms and ranged

from 0.3 to 8.2 mmol C mol biofilm C-1. The most

elevated newCia15:0 having been observed in Colum-

bia in spring where highest NPP was measured and

lowest having been observed in Moore in winter. The

QAICc values for the models investigated for

newCia15:0 indicate that NPP was the only highly

plausible explanatory factor given these data with an

Akaiki weight (weight of evidence in favor of) of

0.94 (Table 3).

The ratio of new C incorporated into ia15:0 relative

to new C incorporated into PUFA (newCia15:0/PUFA)

was used to assess the exchange of C between algae

and heterotrophic bacteria in these biofilms. This ratio

exhibited a range of 10 to 272 mmol C mol C-1 with

highest ratios observed in the experiments conducted

in the two lowest nutrient streams (Fig. 3). The

second-order AICc values for the models investigated

for newCia15:0/PUFA indicate that newC18:3x3/PUFA was

a highly plausible explanatory factor, but that NPP and

biofilm C:N were also plausible models. However, the

model with newC18:3x3/PUFA as a single predictor was

roughly four times as important as a predictor of

newCia15:0/PUFA for these data relative to the other two

plausible models (Table 4). The P values for these

models were all high with the exception of the single

factor model with newC18:3x3/PUFA (P = 0.0336),

however, this value still exceeded the Bonferroni

adjusted a = 0.0083 suggesting this model is not a

significant fit for this data either.

Release of dissolved organic carbon from epilithic

biofilms

Net release of DOC into the stream water occurred in

all the light enclosure incubations (all P \ 0.05). The

net changes in DOC concentrations within all dark

enclosure incubations, however, were not significant

(all P [ 0.1); therefore, these data were not used or

reported further. The spring experiments in Spavinaw,

however, represented the one exception to the lack of

significant DOC fluxes in the dark enclosures. At this

time, a significant release of DOC (146 ± 10 lmol C;

P = 0.0010) was measured in the dark enclosure

incubations and represented 65% of the light enclosure

release of DOC (225 ± 34 lmol C). Net release of

DOC in the light ranged from 0.07 to 5.6 mmol C mol

biofilm C-1 h-1 with highest releases found in Moore

Creek and Columbia, the two streams with the most

elevated dissolved inorganic phosphorus (DIP) levels

(Fig. 4a). Net release of DOC ranged between 2 and

45% of total enclosure NPP with highest proportion of

NPP released as DOC having occurred in both the two

most nutrient-rich and two most nutrient-poor streams.

The QAICc values for the models investigated for net
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DOC release indicate that newC18:3x3/PLFA was the

only highly plausible explanatory factor for net DOC

release given these data (Table 3).

New C released as DOC, defined as the amount

derived from C fixed during the incubation and

determined from the 13C-labeling of the DOC

released, ranged from 0.03 to 9.4 mmol C mol

biofilm C-1 and represent between 0.6 and 21% of

net DOC released in the light incubations (Fig. 4b).

The release of newly fixed C as DOC was highest in

Columbia throughout all three seasons and in Moore

Creek in summer, the two streams having exhibited

the highest DIP concentrations. The QAICc values for

the models investigated indicate that the single-factor

Table 3 Statistical results (see Table 2 for details) for GLMs

of new C incorporated into heterotrophic bacterial (PLFA)

ia15:0 (newCia15:0; mmol C mol biofilm C-1), net DOC release

(mmol C mol biofilm C-1), and new C released as dissolved

organic carbon (newCDOC; mmol C mol biofilm C-1). The

global model is the sum of all parameters given in the previous

seven models in each case. K equals the number of parameters

in the model including the error term (E) plus one to account

for the estimation of the overdispersion parameter (c; for global

model in each case) which was used to calculate QAICc

(Burnham & Anderson, 2002). Delta QAICc values (Di) values

\4 are considered plausible, those \2 are considered highly

plausible (Burnham & Anderson, 2002). Thus, for newCia15:0

and net DOC release there is only one model of the set that is a

likely predictor of the data while there are two for newCDOC.

The parameters used in the models investigated were the same

as in Table 2 with the addition of green algal phospholipid

fatty acid 18:3x3 as a % of total new C incorporated into all

biofilm PLFA (newC18:3x3/PLFA). All models for newCia15:0

exhibited overdispersion with the exception of models one,

three, and six which all used an exponential error distribution.

For net DOC release, models two and eight (global model)

exhibited overdispersion and all other models were based upon

an exponential error distribution. For newCDOC models seven

and eight (global model) exhibited overdispersion. The Bon-

ferroni corrected a = 0.0083 for newCia15:0 and a = 0.0063

for both net DOC release and newCDOC

Log-likelihood K QAICc Di wi P

Model (newCia15:0)

NPP ? E -14.62 3 23.4 0.0 0.94 0.0070

C:N ? E -21.96 3 30.1 6.7 0.03 0.4299

newC18:3x3/PLFA ? E -22.26 3 30.4 7.0 0.03 0.8230

NPP ? C:N ? NPP * C:N ? E -11.84 5 35.8 12.5 0.00 0.0001

NPP ? newC18:3x3/PLFA ? NPP * newC18:3x3/PLFA ? E -14.57 5 38.3 15.0 0.00 0.0859

Global (c = 2.185) -11.35 7 80.4 57.0 0.00 0.0006

Model (net DOC release)

newC18:3x3/PLFA ? E -33.78 3 26.6 0.0 0.78 0.0430

NPP ? newC18:3x3/PLFA ? NPP * newC18:3x3/PLFA ? E -25.06 5 31.0 4.4 0.09 \0.0001

NPP ? E -43.96 3 32.1 5.5 0.05 0.0130

C:N ? E -44.01 3 32.2 5.5 0.05 0.0139

DIN:DIP ? E -45.70 3 33.1 6.4 0.03 0.0525

NPP ? C:N ? NPP * C:N ? E -42.51 5 40.5 13.8 \0.01 0.0492

NPP ? DIN:DIP ? NPP * DIN:DIP -42.55 5 40.5 13.8 \0.01 0.0501

Global (c = 3.703) -13.90 9 70.5 43.9 \0.01 \0.0001

Model (newCDOC)

NPP ? E -5.22 3 10.1 0.0 0.41 \0.0001

newC18:3x3/PLFA ? E -6.10 3 10.4 0.3 0.35 \0.0001

C:N ? E -11.60 3 12.2 2.1 0.14 \0.0001

DIN:DIP ? E -14.54 3 13.2 3.1 0.09 0.0350

NPP ? C:N ? NPP * C:N ? E -2.37 5 18.3 8.2 0.01 \0.0001

NPP ? DIN:DIP ? NPP * DIN:DIP ? E -3.86 5 18.8 8.6 0.01 \0.0001

NPP ? newC18:3x3/PLFA ? NPP * newC18:3x3/PLFA ? E -11.12 5 21.2 11.1 \0.01 \0.0001

Global (c = 6.030) -17.66 9 68.9 58.7 \0.01 \0.0001
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models for both NPP and newC18:3x3/PLFA are highly

plausible. The model with the highest Akaiki weight

(wi) is between three and four times more important

than biofilm C:N and streamwater DIN:DIP, both of

which are plausible single factor models given their

DQAICc values, for the quantity of new C released as

DOC (mmol C mol biofilm C-1; Table 3). In order to

assess the potential role of the factors, considered in

these experiments, controlling the source of DOC

released from these biofilms, we additionally ana-

lyzed the same set of models for new C released as

DOC as a percent of the net DOC release in the light

enclosure incubations. The second-order AICc values

for the models investigated for new C released as

DOC as a percent of net DOC release indicate that

only the single factor model with newC18:3x3/PLFA

was plausible and exhibited a weight of evidence of

0.97 (Table 4). The high P values for the individual

models tested, however, indicate that these models

were non-significant for the data investigated.

Discussion

Previous work focusing on a comparison of two

contrasting streams during three seasons (Ziegler

et al., 2009) and two stream pairs within a single

season (Lyon & Ziegler, 2009) suggest that nutrient

status of streams may regulate both the exchange of C

within the biofilm, and between the biofilm and

stream water DOC. Specifically, results indicated that

newly fixed C released as DOC appeared highest in

the most nutrient-rich streams, while a larger propor-

tion of NPP was incorporated into biofilm

Table 4 Statistical results (see Table 2 for details) for the

GLMs for the ratio of new C incorporated into heterotrophic

bacterial (PLFA) ia15:0 to new C incorporated into total

polyunsaturated PLFA (newCia15:0:PUFA) and for new C

released as dissolved organic carbon as a percent of net DOC

release (new CDOC%). The global model is the sum of all

parameters given in the previous seven models. For models for

new Cia15:0:PUFA one is highly plausible and models two, three,

and four are plausible, while for newCDOC% there is only one

model of the set that is a likely predictor of the data. The

parameters used in the models investigated were the same as

Table 2 in addition to new C incorporated into green algal

phospholipid fatty acid 18:3x3 as a % of total new C

incorporated into all biofilm PLFA (newC18:3x3/PLFA). All

models for (newCia15:0:PUFA) exhibited overdispersion with the

exception of model 6. For newCDOC% models seven and eight

(global model) exhibited overdispersion and all other models

used an exponential error distribution. The overdispersion

parameter for the global model was\1 in both cases therefore

AICc was used to assess these models. The Bonferroni

corrected a = 0.0083

Log-likelihood K AICc Di wi P

Model (newCia15:0:PUFA)

newC18:3x3/PLFA ? E -55.62 2 117.0 0.0 0.59 0.0336

NPP ? E -57.08 2 119.9 2.9 0.14 0.4140

DIN:DIP ? E -57.18 2 120.1 3.1 0.13 0.6258

C:N ? E -57.23 2 120.2 3.2 0.12 0.6329

NPP ? newC18:3x3/PLFA ? NPP * newC18:3x3/PLFA ? E -54.18 4 124.4 7.4 0.01 0.1005

NPP ? DIN:DIP ? NPP * DIN:DIP ? E -55.00 4 126.0 9.0 0.01 0.8148

NPP ? C:N ? NPP * C:N ? E -57.05 4 130.1 13.1 0.00 0.8735

Global -51.63 8 263.3 146.3 0.00 0.1247

Model (newCDOC%)

newC18:3x3/PLFA ? E -32.32 2 69.7 0.0 0.97 0.7046

NPP ? newC18:3x3/PLFA ? NPP * newC18:3x3/PLFA ? E -32.10 4 76.7 6.9 0.03 0.9011

C:N ? E -40.78 2 86.7 16.9 0.00 0.2176

NPP ? E -40.81 2 86.7 17.0 0.00 0.2257

DIN:DIP ? E -41.15 2 87.4 17.7 0.00 0.3798

NPP ? C:N ? NPP * C:N ? E -39.74 4 91.9 22.2 0.00 0.3082

NPP ? DIN:DIP ? NPP * DIN:DIP ? E -43.58 4 99.6 29.9 0.00 0.1928

Global -29.89 8 104.6 34.8 0.00 0.6581
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heterotrophic bacterial biomass in the lowest nutrient

streams. Further, the release of both total DOC and

newly fixed C as DOC varied with DIN and DIP but

differently for two contrasting streams. This current

study analyzed these data sets in combination with

new data from the same nutrient gradient of four

stream sites to directly assess how nutrient availabil-

ity and stoichiometry, and community composition of

active biofilm phototrophs may regulate the observed

variation in C flow in these streams. Our analyses

here do not enable us to directly link nutrient

enrichment or stoichiometry to the variation in the

activity of specific autotrophic groups within these

biofilms. However, we found the structure of active

biofilm autotrophs can be a relatively important

predictor of C exchange within and net DOC release

from these biofilms. These results suggest increased

algal exudation, greater biofilm development (e.g.,

thickness, density, proportion of extrapolymeric sub-

stances), and perhaps development of specific algal

genera with nutrient enrichment may have regulated

C cycling in the biofilms across this nutrient gradient

of sites.

The increasing PUFA content in these biofilms

with nutrient enrichment was not observed in the

newCPUFA data suggesting that activity and retention

of newly fixed C by eukaryotic algae may not be

simply controlled by nutrient availability in these

streams. The relative composition of the active

phototrophs in these epilithic biofilms, however, did

vary with nutrient enrichment. Low statistical power

caused by the small sample size and our inability to

test other factors, such as light availability, substrate,

and grazing activities, and their possible combined

effects with nutrient availability likely prevented the

detection of any strong explanatory factors for the

specific phototrophic group activities measured. For

example, elevated nutrients have been noted to

stimulate algal growth (Stevenson et al., 2006) and

interact with other factors, such as light, causing

changes in grazing rates, and algal community

composition (Steinman et al., 1991; Walton et al.,

1995; Liess et al., 2009).

The differences observed in the PLFA representing

two phototrophic groups strongly suggest the need to

investigate the role of nutrient availability and

stoichiometry in controlling the relative activity of

specific groups of phototrophs in stream biofilms

(Frost et al., 2002). The distinct differences in how

newC16:1x7/PLFA and newC18:3x3/PLFA varied among

the study sites suggest differences in the response of

the relative activity of cyanobacteria versus green

algae to nutrient enrichment. Relative activity level

of cyanobacteria was fairly similar among the study

streams with the exception of lower levels in the most

nutrient-poor stream. Whereas, relative levels of

green algal activity exhibited a general increase with

nutrient enrichment congruent with previous work

where increases in Chl b along this nutrient gradient

suggested increases in biomass of green algae (Lyon

& Ziegler, 2009). Differences in the composition of

active stream biofilm phototrophs may be important

to both trophodynamics and biogeochemistry of

streams due to the varied palatability of different
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Fig. 4 Net dissolved organic carbon (DOC) release normal-

ized to total enclosure biofilm biomass C (a) and release of

newly fixed C as a percent of net DOC released (b) measured

in the replicate light enclosures at each of the six study streams.

Season is indicated below each site and corresponds to winter

(W), spring, (Sp), summer (Su), and fall (F). Values are

provided as means ± 1 standard deviation (n = 3)
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algae and cyanobacteria to consumers (Gregory,

1983; Brown et al., 2003) as well as the potential

differences in how they support heterotrophic bacte-

ria (Romani & Sabater, 1998) or generate stream

water DOC.

Not surprisingly, variation in the incorporation of

newly fixed C into heterotrophic bacteria, as indi-

cated by the quantity of newCia15:0, was best

explained by NPP. NPP is after all a measure of the

total quantity of C incorporated by phototrophs in

these experimental enclosures and was found to be

significantly correlated to new C incorporated into

the biofilm. Algal–heterotrophic bacteria C exchange,

however, decreased with nutrient enrichment and

reconfirms previous analyses at some of these sites

and other studies indicating a reduction in algal–

bacterial interaction with increased nutrient enrich-

ment (Scott et al., 2008; Ziegler et al., 2009).

Potential mechanisms for this reduced algal–bacterial

C exchange may include: (1) structural attributes

within the biofilm linked to its development and

composition that reduce algal–bacterial exchange

(Scott et al., 2008) and (2) increased use of stream

water DOC by biofilm bacteria in these streams

exhibiting higher DOC concentrations and agricul-

tural sources.

Results of this study suggest the composition of

the active phototrophs can be an important factor

regulating the proportion of autotrophic C incorpo-

rated by heterotrophic bacterial in these epilithic

biofilms. Although these results are limited by the

number of factors we could test, the fact that

newC18:3x3/PUFA was both highly plausible and found

to be the single best model to explain variation in

newCia15:0/PUFA indicates that the relative activity of

green algae can be important in regulating direct

algal–bacterial C exchange in these biofilms. Given

the disturbance regime of streams in this region

(Lohman et al., 1991) and the interactive effects of

nutrients and biofilm development observed in other

streams (Bertrand et al., 2009), it is likely that the

negative relationship between green algal activity and

algal–bacterial C exchange observed here is attrib-

uted to variation in biofilm development. Specifi-

cally, the composition of active phototrophs, such as

relative activity of green algae, may be regulated by

the extent of biofilm development in these streams

(Power et al., 2008). Less developed stream biofilms

exhibit higher rates of labile C uptake (Augspurger

et al., 2008) suggesting that less developed biofilms

in the lowest nutrient streams may have lead to

greater incorporation of labile algal C sources as

observed here. Such development could in turn be

regulated by a combination of physiochemical

parameters that may include nutrient enrichment

and represent one reason we have observed the trend

in increasing biofilm newC18:3x3/PLFA with nutrient

enrichment among these streams.

Results of our investigation of biofilms from these

six streams suggest that the composition of active

phototrophs have the potential not only to regulate C

cycling within but also DOC release from these

biofilms. Net release of DOC from the biofilms with

increasing nutrient enrichment suggests some role of

nutrient availability in regulating DOC release. The

variation in net DOC release, however, appears best

explained by the relative activity of green algae. The

role of the activity of this one phototrophic group

tested here suggests that the composition of active

phototrophs in stream biofilms can influence DOC

release and highlight the need for further analysis of

the algal community to complement the PLFA

approach used. Further, our findings for DOC release

were congruent with those for algal–heterotrophic

bacterial C exchange. The observed trends of

increasing newC18:3x3/PLFA, net DOC release, and

new C released as DOC as a percent of net DOC

release and decreasing newCia15:0/PUFA with nutrient

enrichment are supported by the models investigated.

There are three plausible and nonexclusive mecha-

nisms that may explain the possible role of green

algal activity in regulating biofilm C cycling as

revealed in the data and models investigated:

(1) mechanisms responsible for releasing autotrophic

C sources from biofilms, which may include algal

exudation and grazing activity, may be enhanced by

greater green algal activity; (2) green algal activity

may be indicative of development of specific biofilm

genera as well as structure (e.g., thickness, density,

proportion of extrapolymeric substances) that may

enhance release of DOC; and (3) increased net DOC

release to stream water via such mechanisms would

decrease direct access and use of autotrophic C by

biofilm heterotrophic bacteria.

Enhanced algal exudation in combination with

reduction in heterotrophic bacterial uptake of labile C

within more developed biofilms (Augspurger et al.,

2008) is likely responsible for the observed
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relationship between DOC release and green algal

activity observed here. Grazing activity has been

found to be an important mechanism controlling the

release of allochthonous DOC in streams (Meyer &

O’hop, 1983) and the same may be the case for

autochthonous C sources. Although increased activity

of green algae may enhance grazing activities by

increasing palatability of the biofilm and/or providing

larger algal food sources (Walton et al., 1995), these

biofilms are more likely regulated by bottom up

controls due to disturbance regimes in these streams

(Lohman et al., 1991; Fritz & Dodds, 2002). Further,

green algae may exhibit high rates of exudation

relative to other algae and cyanobacteria particularly

with high light availability in streams with unforested

riparian zones. The importance of the active photo-

trophic community composition in regulating C

cycling in stream biofilms revealed by the data

investigated here suggests the need for studying C

cycling in conjunction with studies of algal–nutrient

(Stevenson et al., 2006) and possibility nutrient–

algal–grazer interactions (Steinman et al., 1991;

Rosemond et al., 2000) in streams.

In addition to active phototroph composition and

grazer activity, light availability could have played a

significant role in regulating C cycling in these

experiments. Results from the comparison of Moore

and Huey Hollow suggest light levels may also

regulate DOC release in these streams (Ziegler et al.,

2009). Adequately assessing the role of light level

and quality as an additional factor, however, would

have required light level manipulations. As another

important result of land use change in watersheds, the

quantity and quality of light and it effect on C cycling

in streams needs future consideration as it has also

been found to regulate photochemical transforma-

tions of stream DOC (Brisco & Ziegler, 2004; Brooks

et al., 2007; Cory et al., 2007) as well as trophic and

nutrient interactions (Dodds et al., 1999; Hessen

et al., 2002).

Conclusions

Algal–heterotrophic bacterial C exchange and DOC

release in stream biofilms are both important to

stream ecosystem health and biogeochemical dynam-

ics. The findings of this study suggest nutrient

enrichment can significantly alter C exchange and

cycling in stream biofilms. Further, the modeling

approach taken here suggests that composition and

structure of stream biofilms are likely sensitive to

nutrient enrichment and represent key factors regu-

lating stream C cycling. The potential effects of

nutrient enrichment on the composition of active

phototrophs in streams in combination with the

results of this study signify the biogeochemical

implications of the current trends in P enrichment

of streams in the central US (Sprague & Lorenz,

2009). The results here indicate a strong need for

integrative research coupling studies of nutrient

stoichiometry and availability with microbial com-

position and activity, and carbon cycling dynamics.

This future research is particularly important given

the global phenomena of watershed nutrient enrich-

ment (Howarth et al., 2006), the vulnerability of

headwater streams (Vitousek et al., 1997), and the

key role streams play in watershed scale nutrient

processing (Peterson et al., 2001).
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Abstract This study examined the effects land use

on biomass and ecological stoichiometry of periphyton

in 36 streams in southeastern New York State (USA).

We quantified in-stream and land-use variables along a

N–S land-use gradient at varying distances from New

York City (NYC). Streams draining different land-

scapes had fundamentally different physical, chemical,

and biological properties. Human population density

significantly decreased (r = -0.739; P \ 0.00001),

while % agricultural land significantly increased

(r = 0.347; P = 0.0379) with northing. Turbidity,

temperature, conductivity, and dissolved Mg, Ca, SRP,

pH, DOC, and Si significantly increased in more urban

locations, but NO3
- and NH4

? did vary not signifi-

cantly along the gradient. Periphyton biomass (as

AFDM and Chl-a) in rural streams averaged one-third

to one-fifth that measured in urban locations. Periph-

yton biomass in urban streams averaged 18.8 ± 6.0 g/m2

AFDM and 75.6 ± 28.5 mg/m2 Chl-a. Urban Chl-a

levels ranging between 100 and 200 mg/m2, are

comparable to quantities measured in polluted agri-

cultural streams in other regions, but in our study area

was not correlated with % agricultural land. Periphyton

nutrient content also varied widely; algal C varied

[20-fold (0.06–1.7 lmol/mm2) while N and P content

varied [6-fold among sites. Algal C, N, and P

correlated negatively with distance from NYC, sug-

gesting that periphyton in urban streams may provide

greater nutrition for benthic consumers. C:N ratios

averaged 7.6 among streams, with 91% very close to

7.5, a value suggested as the optimum for algal growth.

In contrast, periphyton C:P ratios ranged from 122 to

[700 (mean = 248, twice Redfield). Algal-P concen-

trations were significantly greater in urban streams, but

data suggest algal growth was P-limited in most

streams regardless of degree of urbanization. GIS

models indicate that land-use effects did not easily fit

into strict categories, but varied continuously from

rural to urban conditions. We propose that the gradient

approach is the most effective method to characterize

the influence of land use and urbanization on periph-

yton and stream function.

Keywords Benthic algae � Periphyton �
Rivers � Land use � Ecological stoichiometry �
Urban–rural gradient � Nutrients � New York

Introduction

The array of ecological variables that drive or limit

algal production in streams, such as nutrient supply,
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light availability, physical disturbance, and grazing,

have been studied extensively, both through correl-

ative and experimental approaches (Bothwell, 1988;

Chessman et al., 1992; Stevenson et al., 1996; Wehr

& Sheath, 2003). The ongoing challenge in studying

these systems lies in the inherent complexity of

stream habitats and their communities, but also in

understanding the multiple scales of factors that

regulate algal production and composition (Biggs,

1995; Snyder et al., 2002). Interest in algal produc-

tion has increased in light of recent studies (e.g.,

Finlay et al., 2002; Torres-Ruiz et al., 2007) that have

demonstrated a greater importance for autochthonous

matter in lotic food webs than was suggested in

earlier models (e.g., Vannote et al., 1980). These

studies indicate that benthic algae consist of higher

quality organic matter than that terrestrial matter,

which is essential for consumers in stream food webs.

The factors that affect the quantity and quality of

this production are of importance to stream ecosystem

theory. Biggs (1996) proposed a two-tiered conceptual

model to characterize the multiple factors that regulate

benthic algal production and structure in streams.

Proximate variables directly regulate biomass accrual

and loss, and include physical and chemical factors,

water quality (dissolved nutrients) temperature, optics

(light availability, turbidity), and hydrography. The

main factors predicted to lead more directly to biomass

accrual are nutrients and light availability, while the

main factors leading to loss of production are distur-

bance, especially floods and droughts. Larger-scale

environmental or landscape features, ultimate vari-

ables, include climate, topography, land use, geology,

and human impacts. The connection between the

effects of proximate and ultimate variables as they

affect stream periphyton has not received extensive

study. However, Snyder et al. (2002) demonstrated that

periphyton biomass and diatom community structure

in broad ([5th order) streams in Idaho (USA) were

most affected by N and P supply, and that these were in

turn affected by location, presumably reflecting land-

use differences. Blinn & Bailey (2001) demonstrated

that diatom community structure was strongly corre-

lated with land-use practices, especially irrigation

practices and dryland farming, in streams in Victoria,

Australia. Carr et al. (2005) tested the ability to use

land-use variables to replace local water quality

variables in predictive models of periphyton chloro-

phyll-a, using a 21-year database of rivers in Alberta,

Canada. Land use, especially human population den-

sity, explained roughly 25–28% of the variability in

periphyton Chl-a, but the best models included both

land use and local nutrient data. They suggested that

within ecoregions, land use can be a good surrogate for

nutrient data in predicting lotic periphyton Chl-a

concentration.

Stream periphyton assemblages also vary in their

nutritional quality. There is evidence suggesting that

the importance of periphyton in stream food webs

may be more a function of quality than quantity

(Cross et al., 2003). Laboratory data suggest that the

optimal stoichiometry of C:N:P content in freshwater

periphyton should be around 119:17:1 to avoid

nutrient limitation of growth (Hillebrand & Sommer,

1999), a ratio very close to that suggested for oceanic

plankton: 106:16:1 (Redfield, 1958). However, unlike

plankton in comparatively stable open oceans, auto-

trophs in more variable and spatially structured

systems, like streams, show marked deviations from

this C:N:P ratio (Wetzel, 2001; Hillebrand et al.,

2004). Both the biomass produced and concentrations

of essential nutrients contained in algal assemblages

subsequently affect consumer growth rates (Frost &

Elser, 2002; Stelzer & Lamberti, 2002), as well as

nutrient cycling properties within the ecosystem

(Dodds et al., 2004). A better understanding of the

influence of different land-use conditions on periph-

yton stoichiometry in stream ecosystems is needed.

Urbanization exerts profound effects on the land-

scape and associated aquatic systems, such as re-

direction of rainfall by impervious surfaces (Hirsch

et al., 1990), increased surface runoff (McMahon &

Cuffney, 2000), increased sediment load, and

decreases in sediment particle size (Paul & Meyer,

2001). Temperature changes have been attributed to

removal of riparian vegetation, decreased recharge of

groundwater, and the urban ‘‘heat-island’’ effect (Plu-

howski, 1970; Pickett et al., 2001). Oxygen demand,

conductivity, turbidity, and dissolved metals also tend

to increase with urbanization (Paul & Meyer, 2001).

Inputs of sewage, wastewater, and fertilizers, which

typify many urban streams, result in greater dissolved

N and P concentrations (Meybeck, 1998; Winter &

Duthie, 2000). Elevated levels of base cations (Ca, Mg,

Na, and K) may also cause an increase in specific

conductance (Paul & Meyer, 2001).

These physical and chemical changes can have

important effects on stream periphyton. Walker &
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Pan (2006) demonstrated that diatom species com-

position in streams in the Portland region (Oregon,

USA) significantly correlated with differences in

water chemistry and land use along an urban–rural

gradient. Periphyton chlorophyll-a accrual rates in

one urban stream in Catalonia, Spain did not differ

significantly among experimental nutrient (N, P)

treatments, apparently due to shaded, canopy condi-

tions (Schiller et al., 2007). Interestingly, substrata in

the urban site also experienced accumulations of fine

organic matter (detritus) on their surfaces, which was

suggested to have inhibited periphyton growth.

However, NH4
? treatments did result in significantly

reduced NO3
- uptake rates in this stream. Periphyton

growth in one urban stream near College Station,

Texas was strongly affected by the high frequency of

floods, but still reached 30 times the designated

nuisance level ([100 mg Chl-a/m2), and was com-

posed of edible, early-stage algal species rather than

late-stage, and less edible taxa (Murdock et al.,

2004). How such changes may be mirrored by

periphyton nutrient stoichiometry remains to be seen.

Here, we examine a suite of land-use factors that

may influence the biomass and ecological stoichiom-

etry of stream periphyton. We aim to link in-stream

or proximate (e.g., temperature and nutrients) and

ultimate (e.g., land use) variables to understand the

key factors affecting streams along a land-use

gradient at varying distances from a large urban

center, NYC. We predict that (1) there will be

significant changes in physical and water chemistry

(proximate) variables in concert with identifiable

land-use (ultimate) variables, and that (2) periphyton

biomass and nutrient stoichiometry will be signifi-

cantly affected by physical and chemical changes in

these streams. Our goal is to identify which variables

show greatest sensitivity to land-use changes and

which may be most important to stream periphyton.

We also aim to identify if periphyton nutrient

stoichiometry data may be used to assess nutrient

limitation among different land-use conditions.

Materials and methods

Design and site selection

The study area is a 6,000 km2 region in southeastern

New York State east of the Hudson River and north

from Yonkers to Troy NY. Land use ranges from

dense urban districts in the south to sparsely

populated rural areas. Rural regions are mosaics of

forested (mixed hardwood) and light- to moderate-

intensity agriculture. Following a pilot study of 20

streams, a power analysis determined that a sample

size of at least 32 streams was required to detect

local and landscape effects. We identified 70

streams as potential sites which met the following

criteria: (1) first to third order; (2) stream width

C3 m; (3) cobble-boulder substratum with at least

three riffles; (4) current velocity in riffles C25 cm/s;

(5) streambed neither completely shaded nor fully

open to sunlight. From this set, a stratified-random

method (stratified by watershed) was used to select

36 streams of sample in 2001. All streams were

sampled within a 6-week period during average

summer base flow (no major rainfall events). These

criteria ensured that streams had predominantly

rocky substrata and differed mainly by land use

along a gradient from urban to rural conditions

(verified using GIS, below).

Field sampling

Most field methods follow Stevenson & Bahls (1999).

Geographic locations were determined using a Gar-

min 12-XL GPS unit. Stream width was measured

with a measuring tape and depth with a meter stick.

Current velocity was measured with a General

Oceanics 2030 current meter from five riffles in the

center of each reach. Water temperature and conduc-

tivity were measured with a YSI 30 S/C/T meter and

canopy cover was measured with a Forest Model-C

spherical densiometer. For periphyton samples, five

rocks between 10 and 35 cm diameter were arbi-

trarily chosen from separate riffles, placed in 4 l

plastic bags and stored on ice. Unfiltered water was

collected for pH (25 ml polypropylene bottles) and

turbidity (20 ml borosilicate vials) measurements and

stored on ice. Two water chemistry samples were

syringe-filtered in situ (Nalgene nylon membrane

0.2 lm poresize) and preserved by acidification

(U. S. Environmental Protection Agency, 1987) to

pH \2.0 with HCl (for dissolved organic carbon,

DOC) or H2SO4 (for NO3
-, NH4

?, soluble-reactive-P

[SRP], Si [as SiO3]) and refrigerated (4�C) until

analysis.
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Periphyton processing and analyses

Periphyton was scraped from rocks with razor blades

and brushes to a final volume of 250–500 ml; process-

ing was completed within 1 day of collection. Periph-

yton suspensions were homogenized and mixed using a

small hand blender, and divided into aliquots for (1)

dry mass (DM) and ash-free dry mass (AFDM), (2)

Chlorophyll-a (Chl-a), (3) C and N analyses, (4) P

analysis, and (5) taxonomic identification (preserved

with Lugol’s iodine). DM and AFDM were determined

after filtration onto pre-ashed and pre-weighed (to

0.0001 g) 47 mm glass fiber filters (Whatman GF/F),

dried (C18 h) at 80�C, weighed (=DM), then ashed at

450�C for 2–3 h and re-weighed (AFDM) to the

nearest 0.0001 g (AFDM = difference between DM

and mass of ash after combustion; American Public

Health Association, 1985). Pheophytin-corrected Chl-

a was measured after extraction with 90% buffered

acetone and absorbances measured at 750, 665, and

664 nm (Lorenzen, 1967). The Autotrophic Index (AI)

of each periphyton assemblage was calculated as the

ratio of AFDM/Chl-a, after Biggs & Close (1989). This

method classifies samples with ratios\200 (‘‘low’’) to

consist mainly of autotrophic algae, while ‘‘moderate’’

ratios (200–400) are regarded to be a mixture of

autotrophic and heterotrophic periphyton, and values

[400 to be dominated by heterotrophic organisms and/

or detritus. In our study, we use this index to estimate

algal versus non-algal periphyton in streams draining

different landscapes. Periphyton C and N concentra-

tions were measured from homogenized periphyton

dried at 80�C in 9 9 10 mm tin cups and measured

using a Perkin Elmer 2400 Series II CHNS/O analyzer.

Periphyton-P was measured after digestion following

Solórzano & Sharp (1980) and the digest analyzed as

reactive-P as described below. After all scrapings were

completed, rocks were measured for determination of

surface area (SA), based on linear dimensions and

formulas for appropriate geometric shapes. We defined

‘‘colonizable area’’ as the upper 50% of each rock area

as all were embedded in streambed at time of

collection.

Water chemistry

Streamwater pH was measured with an Orion Model

720 pH Meter and turbidity with a Turner TD-40

nephelometer; both were analyzed in the lab

immediately after returning from the field (\6 h).

DOC was measured using a Shimadzu TOC-5050A

TOC analyzer (American Public Health Association,

1985). Dissolved ammonium (NH4
?–N) concentra-

tions were measured as using the phenol–hypochlorite

method (American Public Health Association, 1985;

Bran?Luebbe Analyzing Technologies, 1986b);

nitrite (measured as NO2
-–N) using the sulfanil-

amide-NNED (American Public Health Association,

1985; Bran?Luebbe Analyzing Technologies, 1987a);

nitrate (NO3
-–N) by reduction to nitrite using a Cd–Cu

column and analyzed as nitrite; reactive silica using the

molybdate–ascorbate method (American Public

Health Association, 1985; Bran?Luebbe Analyzing

Technologies, 1987b); and soluble-reactive phosphate

(SRP) using the antimony–ascorbate–molybdate

method (American Public Health Association, 1985;

Bran?Luebbe Analyzing Technologies, 1986a). Total

dissolved phosphorus (TDP) was predigested using

acid persulfate (Eisenreich et al., 1975) and analyzed as

SRP. Nutrients were measured using a Bran & Luebbe

TRAACS 800 autoanalyzer. Dissolved Ca and Mg

were measured using a Perkin-Elmer 1100B atomic

absorption spectrophotometer (American Public

Health Association, 1985).

Data variables

Nutrient stoichiometry of periphyton assemblages

was calculated on a molar basis from nutrient content

data and used as a broad measure of nutrient

limitation (Redfield, 1958; Hillebrand & Sommer,

1999). The proximate stream variables stream width,

maximum depth, current velocity, turbidity, temper-

ature, and percent canopy cover were defined as

physical properties. Conductivity, pH, DOC, NH4
?,

NO3
-, Si, SRP, TDP, Ca, and Mg were defined as

(proximate) water chemistry variables. The following

were defined as periphyton variables (on DM and SA

basis): % organic matter, AFDM, Chl-a, C, N, P, and

C:N, C:P, and N:P ratios. Landscape-level variables

were land use, bedrock geology, and population

density. Data were obtained from the New York State

GIS Clearinghouse and analyzed using Arc Info.

Population density data (persons per square km) were

derived from a layer of the U.S. Department of

Commerce, Bureau of the Census 1990 coverage.

Land use data were derived from a layer of the U.S.

Geological Survey (USGS) 1990 1:250,000 Scale
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Land use and Land Cover for New York, Hartford

and Albany Quadrangles. Data were presented in the

Anderson level 2 classification system (general land

use and subdivisions), but for the purpose of this

stream study only the level 1 classification was used,

as suggested by Wang & Yin (1997). Bedrock

geology data were derived from a layer of the New

York Geologic Survey 1999 Bedrock Geology Lower

Hudson and Hudson Mohawk coverages. Additional

hydrography and boundary coverages for Westches-

ter, Putnam, Dutchess, Columbia, and Rennssalaer

counties were obtained from the U.S. Department

of Commerce, Bureau of the Census 1998 TIGER

Files.

Data analysis

Analyses addressed correlations between northing

(distance from NYC) and physical properties, water

chemistry and periphyton variables, to establish if

distance from a large urban area had a general

influence on these variables. Multiple stepwise linear

regression was used to determine which variables

most affected periphyton biomass and nutrient con-

tent (a B 0.05 for inclusion, a C 0.10 for exclusion

into the model). Multicollinearity was assessed by

comparing individual t-values and r2 with overall r2

and P values in each model (Graham, 2003); no

issues were detected. Predictor (independent) vari-

ables included physical (temperature, canopy cover,

turbidity, depth, width, and current velocity), and

water chemistry (DOC, NO3
-–N, NH4

?–N, SRP,

TDP, Ca, and Mg) variables. GIS analysis, correla-

tion, and ANOVA were used to determine the effect

of land use and urbanization on stream and periph-

yton variables. Data from physical, water chemistry,

and periphyton variables for each stream were

entered into an Arc Info data table, visualized as

points by using location data, northing and easting,

and then combined with population density, land use

and geology coverages. For GIS, a 150-m buffer zone

(radius) was created around each sample point in Arc

Info (Tufford et al., 1998). Arc Info output files for

population density, land use, and geology attributes

were generated for the buffer zones of each stream.

The weighted mean population density, bedrock

geological data, and percent land use categories were

determined for each 150-m buffer zone. Correlations

were used to determine links between population

density and the physical, water chemistry, and

periphyton variables. ANOVA followed by Tukey

post-hoc HSD tests were used to determine the effects

of land use (Sokal & Rohlf, 1995). Each stream-reach

site was classified into a predominant land-use

category, determined by the landscape that occupied

the largest percentage within each buffer zone

(typically [60% of total area). Statistical analyses

were performed using Systat 10.0 with a B 0.05 set

for a type I error. All quantitative data were tested for

normality; non-normal data were transformed using

standard transformation methods (Sokal & Rohlf,

1995). Most physical, chemical, and periphyton

variables required log10 transformation with the

exception of Si (square root transformation) and

DOC and pH (normal). Of the landscape variables,

population density was log10 transformed.

Results

Landscape patterns

Streams situated in urban landscapes were concen-

trated in the southern portion of the study area.

Percent urban area (as determined by GIS) within

respective 150-m buffer zones (radii) at each site,

ranged from \0.01 to 100%, as did percent agricul-

ture and forest area. These landscape variables were

compared with geographic distance from NYC

(northing). Human population density significantly

decreased (r = -0.739; P \ 0.00001; Fig. 1A),

while % agricultural land use significantly increased

(r = 0.347; P = 0.0379) with northing (Table 1).

Percent urban and % forested land showed similar

trends but were NS (P [ 0.10; Table 1). Therefore,

northing (distance from NYC) was used as a proxy

variable to further test the effects of urbanization.

Among physical variables, stream water turbidity

and temperature significantly decreased with northing

(i.e., greater values in urban streams; Table 1;

Fig. 1B). Turbidity ranged from 0.83 to 5.63 NTU,

while summer temperatures ranged from 8.5 to

25.9�C. Percent canopy cover, stream depth, stream

width, and current velocity were not significantly

correlated with northing. Most of the water chemistry

variables were negatively correlated with northing

(i.e., greater in urban streams), including conductivity

(Fig. 1C) and dissolved Mg, Ca, SRP, pH, DOC, and
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Si, but were non-significant for dissolved NO3
- and

NH4
?. Water chemistry variables that differed most

among streams were pH (6.1–8.9), Mg (0.6–22 mg/l),

conductivity (34–908 lS/cm), and SRP (6.4–66 lg P/l).

Each of these was significantly greater in urban

streams.

Periphyton biomass and stoichiometry

Periphyton biomass, measured as Chl-a (per unit

area), varied by two orders of magnitude among the

36 streams and by approximately one order when

measured as AFDM (Table 2). Similarly, carbon

content of algal periphyton ranged nearly 30-fold,

from 0.06 to 1.7 lmol/mm2 (unit area basis), but only

about 6.6-fold on a DM basis (14.2–93.6 lmol/mg).

Periphyton AFDM and Chl-a concentrations were

very highly correlated (r = 0.8625; P \ 0.00001),

and the AI of these measures varied strongly among

streams (mean 425 ± 44 [SE]), with 58% of the

streams (21 of 36) with low (\200) or moderate

(200–400) ratios.

Periphyton C, N, and P content also varied among

streams (Table 2) and created a range of periphyton

C:N ratios from 4.4 to 12.5 (mean = 7.6 ± 1.5;

Redfield = 6.6) and C:P ratios from 122 to 706

(mean = 248 ± 109; Redfield = 106). The periphy-

ton C:N ratios in 29 of 36 streams were greater than

the Redfield ratio of 6.6, and all C:P ratios were

greater than the predicted ratio of 106. The average

C:N:P ratio of 191C:24N:1P was more C-rich than

the idealized Redfield ratio of 106:16:1.

Periphyton biomass and nutrient content correlated

either positively or negatively with northing (Table 3).

Periphyton biomass, measured as AFDM (r =

-0.485, P = 0.003; Fig. 2A) was significantly greater

in streams at the urban end of the gradient (=negative

correlation with northing), although Chl-a concentra-

tion per SA, while showing a similar trend, was non-

significant. Correlations between calculated AI and

Fig. 1 Plots of the significant correlations between geographic

distance from NYC (northing) and key land use (A human

population density; r = -0.739, P \ 0.001), physical (B
stream turbidity; r = -0.587, P \ 0.001), and water chemistry

(C conductivity; r = -0.722, P \ 0.001) variables measured

at each of 36 stream sites along a putative urban to rural land-

use gradient (see Table 1 for complete statistics)

c
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land-use measures were weak or inconsistent (corre-

lations with northing, human population density, and

% urban land NS; P [ 0.250), but AI did correlate

positively with % forested land (r = 0.537; P =

0.0007).

Periphyton in urban streams had significantly

greater C, N, and P content (=negative correlation

with northing; Fig. 2B; Table 3). Periphyton also had

greater algal C:N in urban streams (negative correla-

tion with northing) and lower N:P ratios (positive

correlation with northing; Fig. 2C). Further, periphy-

ton N:P ratios in a majority of streams were greater than

Redfield predictions, although those in urban locations

were closer to the predicted value of 16. The trend for

periphyton C:P was positive with northing (relatively

greater P in urban streams), but the trend was non-

significant (r = 0.277; P = 0.1068).

Influence of in-stream variables on periphyton

biomass and nutrient stoichiometry

Multiple linear regression (MLR) models were next

used to identify the most important proximate

predictors (local physical and water chemistry vari-

ables) of variation in periphyton biomass and nutrient

content among the study streams (Table 4). Variation

in AFDM (r2 = 0.646) and Chl-a (r2 = 0.561) per

unit area were more effectively predicted than was

percent organic matter (r2 = 0.119) for these

streams. Collectively, the models suggest that benthic

algal biomass was negatively influenced by percent

canopy cover, stream depth, and in one measure (%

organic matter), turbidity. These variables were all

significantly greater in urban streams (decreased with

northing). None of the major nutrients associated

with urbanization (SRP, TDP, NH4
?, NO3

-) were

included in any of the models, despite several

positive bivariate correlations (e.g., SRP versus

AFDM; r = ?0.366, P = 0.0304; NO3
- vs. Chl-a;

r = ?0.434, P = 0.0092).

The influence of proximate, in-stream variables on

periphyton nutrient content and stoichiometry were

also examined using MLR (Table 5). Nutrient content

was also best predicted by aqueous cation (Mg or Ca)

concentration and canopy cover. However, stoichiom-

etric ratios, particularly those with phosphorus, were

predicted to be a function of aqueous P (as TDP).

Influence of land-use variables

Differences in human population density and land-

scape type were clearly identified within the study

area (Table 1). From this, seven of nine major land

use classes were identified from the NY State GIS

database: urban, agricultural, rangeland, forested,

water (lakes, ponds, and streams), wetlands, and

barren land (non-vegetated but not impervious sur-

faces). Of these, only urban, agricultural and forested

land occurred in large enough frequencies for anal-

ysis. Their potential influence on periphyton was first

examined using correlations between landscape vari-

ables (three land-use types and human population

density) and the biomass and nutrient stoichiometry

of stream periphyton (Table 6). Biomass (as AFDM)

was positively correlated with increasing population

density (Fig. 3A), with percent of urban land, based

on GIS estimates (Fig. 3B), and negatively with

Table 1 Correlations between northing (distance from NYC)

and land-use properties, physical variables, and water chem-

istry from 36 streams from an urban–rural land-use gradient

north of New York City (r, correlation coefficient; values with

P B 0.05 are printed in bold)

Northing versus r P

Land use

% Agricultural land 10.347 0.0379

% Forested land -0.245 0.1497

% Urban land -0.128 0.4564

Population density -0.739 <0.0001

Physical variables

Canopy cover -0.179 0.2972

Current velocity -0.035 0.8397

Depth -0.114 0.5067

Temperature -0.555 0.0004

Turbidity -0.587 0.0002

Width -0.096 0.5792

Water chemistry

Ca -0.575 0.0002

Conductivity -0.722 <0.0001

DOC -0.418 0.0111

Mg -0.653 0.0002

NH4
? ?0.171 0.3195

NO3
- -0.183 0.2843

pH -0.525 0.0010

Si -0.341 0.0416

SRP -0.558 0.0004

TDP -0.217 0.2038

Negative correlations indicate greater values in urban streams
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greater forest land cover (Fig. 3C). Biomass mea-

sured as Chl-a concentration correlated negatively

with % forested land (Table 6). Periphyton C, N, and

P concentrations each correlated positively with

human population density (Fig. 4) and with % urban

land cover (Table 6). Despite a wide range of %

agricultural land across the streams-sites (from 0 to

100%; mean: 44.4 ± 43.5%), periphyton biomass

was unrelated to this land-use attribute (Table 6).

Periphyton N:P ratio correlated negatively with

human population density, but none of the stoichi-

ometric ratios correlated with any of the three main

land-use categories.

The influence of land-use type on periphyton

biomass and nutrient stoichiometry was contrasted

among the three major GIS-based land-use catego-

ries, designated as either forested, agriculture or

urban, based on the greatest land-use percentage

within a 150-m radius at each geographic location.

Not all periphyton variables exhibited clear patterns,

but algal biomass (as Chl-a) was significantly differ-

ent among the three land-use areas, with greatest

amounts measured in urban streams (Table 7; Fig. 5).

Similarly, periphyton in urban streams also had

significantly greater C and N content. In each of

Table 3 Correlations between northing (distance from

NYC) and biomass, nutrient content and stoichiometry of algal

periphyton sampled from 36 streams from an urban–rural

land-use gradient north of New York City (see Table 2 for

abbreviations, values with P B 0.05 are printed in bold)

Northing versus r P

Biomass

AFDM -0.485 0.0031

Chl-a/DM 0.023 0.8976

Chl-a/SA -0.301 0.0792

Ratio Chl-a/AFDM (%) -0.272 0.1080

% Organic matter 0.254 0.1408

Nutrient content

Algal C/DM -0.223 0.1982

Algal C/SA -0.459 0.0056

Algal N/DM -0.141 0.4197

Algal N/SA -0.425 0.0110

Algal P/DM -0.088 0.6171

Algal P/SA -0.501 0.0022

Nutrient stoichiometry

C:N / SA -0.334 0.0500

C:P / SA 0.277 0.1068

N:P / SA 0.402 0.0167

Negative correlations indicate greater values in urban streams

Table 2 Summary data for

biomass, nutrient content,

and stoichiometry of algal

periphyton sampled from 36

streams from an urban to

rural land-use gradient north

of New York City (SD,

standard deviation; AFDM,

ash-free dry mass; DM, dry

mass; SA, surface area;

atomic stoichiometric ratios

calculated from nutrient per

unit area)

Min Max Mean SD

Biomass

AFDM (g/m2) 1.6 47.0 9.8 10.4

Chl-a/DM (lg/g DM) 2.0 63.4 16.8 16.6

Chl-a/SA (mg/m2) 1.7 226.4 37.5 49.9

Ratio Chl-a/AFDM (%) 0.2 6.3 1.7 1.7

% Organic matter 23.2 60.0 41.5 4.7

Nutrient content

C/DM (lmol/mg) 14.2 93.60 38.1 24.1

C/SA (lmol/mm2) 0.06 1.70 0.39 0.41

N/DM (lmol/mg) 0.008 0.209 0.050 0.047

N/SA (lmol/mm2) 1.8 12.2 0.05 0.05

P/DM (lmol/mg) 0.0016 0.0138 0.0020 0.0030

P/SA (lmol/mm2) 0.0170 0.1360 0.0777 0.0274

Nutrient stoichiometry

C:N 4.4 12.5 7.6 1.5

C:P 122 706 248 109

N:P 14.3 93.8 33.7 15.6

96 Reprinted from the journal

Hydrobiologia (2010) 657:89–105

123



Table 4 Multiple linear

regression analysis identifying

stream-variable (proximate)

predictors of benthic algal

biomass, measured as ash-free

dry mass (AFDM), Chl-a per

unit dry mass (Chl-a/DM), Chl-

a per unit surface area (Chl-a/

SA), and percent organic

matter

Independent variables were

physical and water chemistry

variables measured at each

stream (independent variables

listed in order of relative

importance; r2 = coefficient of

determination for complete

model)

Slope ± SE t-Score P

AFDM

Mg 0.697 ± 0.100 6.968 \0.00001

Percent canopy cover -0.006 ± 0.002 -2.729 0.01024

Depth -0.001 ± 0.004 -2.488 0.01826

ANOVA: P \ 0.00001 Adjusted r2 = 0.646

Chl-a/DM

DOC -0.029 ± 0.016 -1.841 0.07521

pH 0.143 ± 0.042 3.390 0.00192

Percent canopy cover -0.003 ± 0.001 -2.221 0.03376

Depth -0.007 ± 0.002 -2.746 0.00994

ANOVA: P = 0.00003 Adjusted r2 = 0.497

Chl-a/SA

pH 0.592 ± 0.116 5.122 \0.00001

Percent canopy cover -0.009 ± 0.003 -2.968 0.00564

Depth -0.020 ± 0.006 -3.280 0.00251

ANOVA: P \ 0.00001 Adjusted r2 = 0.561

% Organic matter

Turbidity -11.341 ± 4.739 -2.393 0.02236

ANOVA: P = 0.02236 Adjusted r2 = 0.119

Table 5 Multiple linear

regression analysis identifying

stream-variable (proximate)

predictors of periphyton

nutrient content and

stoichiometric ratios (per unit

SA)

Independent variables were

physical and water chemistry

variables measured at each

stream (independent variables

listed in order of relative

importance; r2 = coefficient of

determination for complete

model)

Slope ± SE t-Score P

C/SA

Mg 0.665 ± 0.111 5.984 \0.00001

Percent canopy cover -0.006 ± 0.002 -2.677 0.01162

ANOVA: P \ 0.00001 Adjusted r2 = 0.571

N/SA

Ca 0.830 ± 0.140 5.923 \0.00001

Percent canopy cover -0.005 ± 0.002 -2.423 0.02121

ANOVA: P \ 0.00001 Adjusted r2 = 0.562

P/SA

Ca 1.138 ± 0.182 6.256 \0.00001

ANOVA: P \ 0.00001 Adjusted r2 = 0.529

C:N

Mg 4.431 ± 1.484 2.986 0.00539

Conductivity -4.408 ± 1.962 -2.247 0.03169

ANOVA: P = 0.00587 Adjusted r2 = 0.230

C:P

TDP -0.258 ± 0.098 -2.620 0.01334

Si -0.297 ± 0.095 -3.130 0.00372

ANOVA: P = 0.00087 Adjusted r2 = 0.316

N:P

TDP -0.317 ± 0.098 -3.238 0.00281

Si -0.348 ± 0.094 -3.688 0.00083

ANOVA: P = 0.00008 Adjusted r2 = 0.410
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these comparisons, those streams draining rural

forested land were classified with the least biomass

and nutrient content. Although the nutrient stoichi-

ometric ratios varied along the urban–rural gradient

(based on northing; Table 3), no significant differ-

ences were revealed when compared by land-use

categories (Table 7).

Discussion

Streams in contrasting landscapes

Our data demonstrate that streams draining different

landscapes in southern New York State have corre-

spondingly different physical, chemical, and biolog-

ical properties. Watersheds along this urban–rural

gradient differ little with regard to soil type, geology,

or forest type, but exhibit profound ecological

differences, making this region a useful setting in

which to test human impacts (McDonnell et al.,

1997). In our study, urban streams were more

nutrient-rich, had higher pH, greater concentrations

of dissolved cations, and greater conductivity. The

range of conductivities and nutrient concentrations

equal or exceed that observed along other urban–rural

land-use gradients in the U.S. (Walker & Pan, 2006;

Sprague et al., 2007; Ponader et al., 2008).

All of the significant trends in water chemistry along

the urban–rural gradient increased from rural to urban

areas (Table 1; Figs. 1, 3). The elevated SRP concen-

trations likely resulted from sewage inputs, as well as

fewer wetlands and altered soils (Walsh et al., 2005).

Sonoda & Yeakley (2007) demonstrated that soils

adjacent to urban streams have lower capacities for

retaining P than those in non-urban areas. We observed

a highly significant correlation between SRP in stream

water and distance from an urban center, as well

significant trends for dissolved Mg, Ca, Si, DOC, and

pH, but not dissolved NH4
? or NO3

- (Table 1). Our

data partly support earlier contentions (Pluhowski,

Fig. 2 Plots of the significant correlations between geographic

distance from NYC (northing) and periphyton biomass (A ash-

free dry mass per unit area; r = -0.485, P = 0.003), periph-

yton nutrient content (B phosphorus concentration per unit area;

r = -0.501, P = 0.002), and periphyton stoichiometry (C N:P

ratio; r = 0.402, P = 0.17) measured at each of 36 stream sites

along a putative urban to rural land-use gradient (see Table 3

for complete statistics)

c
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1970; Pickett et al., 2001) that streams along an

urbanization gradient are warmer (Table 1: r =

-0.555 versus northing). However, when compared

among specific GIS land-use categories, stream tem-

peratures were not significantly different (forested:

18.7 ± 1.0�C versus urban: 18.8 ± 3.9�C). While

evidence of a ‘‘heat-island’’ effect was not seen, our

data do agree with prior studies showing many other

physical and chemical effects of urbanization (Paul &

Meyer, 2001; Strayer et al., 2003), effects that likely

have important effects on stream periphyton.

Periphyton biomass and land use

Periphyton biomass was significantly greater in

streams draining urbanized landscapes and in locations

with greater human population density. Periphyton in

rural, forested streams averaged roughly one-third to

one-fifth the amount in urban locations (Figs. 3, 5;

Tables 3, 6). Average biomass in urban streams of

18.8 ± 6.0 g/m2 AFDM and 75.6 ± 28.5 mg/m2 Chl-

a, and maximal Chl-a levels exceeding 100 mg/m2, are

comparable to quantities measured in agricultural

streams elsewhere (Biggs & Close, 1989; Chételat

et al., 1999; Godwin & Carrick, 2008) and in exper-

imentally nutrient-enriched streams (e.g., Greenwood

& Rosemond, 2005). However, variation in stream

algal biomass in our study area was not correlated with

% agricultural land, despite dominating the watersheds

of 13 streams. Instead, biomass was most closely

correlated with human population density and % urban

land (Table 6). Landscapes classified as agricultural in

Table 6 Correlations

between landscape

variables and periphyton

biomass, nutrient content

and stoichiometry (r,

correlation coefficient, with

probabilities; * P B 0.05,

** P \ 0.01, values with

P B 0.05 are printed in

bold)

Population

density

Percent

urban land

Percent agricultural

land

Percent forested

land

r r r r

Biomass

AFDM/SA 0.429* 0.414* -0.091 -0.256

Chl-a/SA 0.356* 0.362* 0.159 -0.465**

% Organic matter -0.185 0.132 0.093 -0.205

Nutrient content

Algal C/SA 0.443** 0.401* -0.052 -0.284

Algal N/SA 0.445** 0.404* 0.005 -0.344*

Algal P/SA 0.491** 0.389* -0.037 -0.289

Nutrient stoichiometry

C:N 0.168 0.164 -0.263 0.128

C:P -0.286 -0.116 -0.020 0.117

N:P -0.338* -0.170 0.101 0.041

Fig. 3 Relationships between periphyton biomass (ash-free dry mass per unit area) versus human population density, percent urban

land use and percent forest land use across 36 stream sites along a putative urban to rural land-use gradient
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our study area had intermediate levels of periphyton

biomass (mean AFDM: 9.1 ± 2.0 mg/m2). Agricul-

tural streams in other regions have much greater algal

biomass ([20 g AFDM/m2, 100–300 mg Chl-a/m2;

Biggs & Close, 1989). We attribute this difference to a

lower intensity form of agriculture in our region, which

is a mixture of grain crops and fallow fields.

Few studies have characterized periphyton bio-

mass and stoichiometry in urban streams. However,

a meta-analysis of data from more than 300 streams

and rivers from the USGS National Stream Water-

Quality Monitoring Network revealed significant

positive correlations between benthic Chl-a and %

urban land area (Dodds et al., 2002), which agrees

with our data for the NYC urban–rural gradient.

Murdock et al. (2004) reported that one urban

stream in Texas accumulated periphyton biomass at

very rapid rates, despite frequent floods that were

capable of removing most of this production.

Average total biomass in their system occasionally

exceeded 500 mg Chl-a/m2, which was five or

more times the recognized nuisance level (Welch

et al., 1988; Murdock et al., 2004). Just three

streams in the present study (all urban) exceeded

that criterion.

It has been suggested that algal biomass may

exhibit inconsistent responses to increasing urbani-

zation of streams (Walsh et al., 2005), but the present

data and those cited earlier suggest that urban land

use usually results in greater periphyton biomass.

Some of this increased biomass may be facilitated by

reduced canopy cover in the riparian zone, providing

greater light for primary production (Table 4). Urban

streams in our study area also had significantly

greater dissolved SRP, Si, Ca, and Mg (negative

correlations with northing; Table 1), suggesting that

greater SRP supply may also have exerted a positive

influence. Hill & Fanta (2008) have demonstrated

that stream periphyton growth can be co-limited by P

and irradiance, although experiments in other streams

suggest that light may be a more important factor

(Schiller et al., 2007). Canopy cover values estimated

for our streams by spherical densitometer measure-

ments indirectly measure light availability, but have

the advantage of reflecting longer-term landscape

properties of each site (e.g., Fitzpatrick et al., 1998;

Pan et al., 1999).

One may also ask whether urban streams are more

autotrophic, based on the presence of elevated periph-

yton biomass. In the present study, no direct measures

of productivity were made. However, periphyton

AFDM and Chl-a concentrations in our streams were

Fig. 4 Relationships between algal carbon, nitrogen, and

phosphorus (per unit area) versus human population density

across 36 stream sites along a putative urban to rural land-use

gradient
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highly correlated (r = 0.862; P \ 0.00001), suggest-

ing that these streams have an algal-based metabolism.

The geographic pattern of periphyton AFDM : Chl-a

(AI), a relative measure (although approximate) of the

degree of heterotrophy or autotrophy (Biggs & Close,

1989), was inconsistent among stream sites. The AI

was significantly greater (=less autotrophic) in more

rural streams in forested landscapes, but did not

correlate with any measures of urbanization. However,

the C:Chl-a ratio of epilithic periphyton among all of

our streams averaged &200, which is broadly indic-

ative of a relatively high algal content in the mixed

periphyton, and is substantially less than a global

average of 405 across many freshwater systems (Frost

et al., 2005). Among our streams, this ratio was least

(greater algal content) in urban streams (139 ± 25)

and greatest in rural, forested streams (299 ± 42). It is

possible that the degree of autotrophy may not be

directly responsive to urbanization, but our AFDM,

Chl-a and carbon data suggested that the majority of

this carbon is algal based. For this reason, nutrient

stoichiometry of stream periphyton may be important

in studies of urban-to-rural gradients.

Nutrient effects and algal stoichiometry

Nutrient content of periphyton varied widely among

our study streams, with algal carbon ranging more

than from 20-fold, from 0.06 to 1.7 lmol/mm2, while

N and P content each varied by more than 6-fold

among streams (Table 2). Concentrations of all three

elements correlated significantly along the land-use

gradient (northing, distance from NYC, % urban

land), with greater concentrations in urban streams

(Tables 3, 6; Figs. 4, 5). This trend of greater N and P

content suggests that algal matter in urban streams

may provide greater nutrition for consumers, which

require specific quantities of N and P for metabolism

and growth. Mass gain in the larval caddisfly

Glossosoma nigrior was positively correlated with

greater periphyton N content on which they grazed

(Hart, 1987). Similarly, growth of the stream-dwell-

ing snail Elimia flavescens was significantly greater

when provided with P-enriched periphyton (40%

greater than controls), but only when food supply was

low (Stelzer & Lamberti, 2002). The nutrient content

of periphyton was also shown to affect the rates of

excretion and retention of N and P by heptageniid

mayfly larvae, although the animals retained or

accumulated P in excess of immediate needs (Roth-

lisberger et al., 2008). A shift from nutrient-limited to

nutrient-sufficient conditions in a stream, as occurs

during urbanization, could alter interactions between

grazers and algal food sources, and have important

consequences for nutrient cycling.

Greater accumulation of P and N by periphyton in

urban streams cannot be fully attributed to elevated

aqueous sources of these nutrients, as dissolved NH4
?

and NO3
- concentrations did not correlate with

northing (Table 1) or appear in any of the multiple

regression models for periphyton biomass (Tables 4,

5). The absence of aqueous nutrients in some of the

regression models may be due to the fact that some of

the carbon in periphyton was detrital rather than

algal. However, we did observe significantly greater

SRP concentrations in urban streams, which could

Table 7 Results of analysis of

variance comparing mean

periphyton biomass and

nutrient stoichiometry (per unit

surface area) among three

major land-use categories

(Tukey HSD post-hoc analyses

run following significant

general ANOVAs; individual

land use listed in order of their

means; classes sharing

underlines were judged not

statistically different

[P [ 0.05])

F P Post hoc tests

Biomass

AFDM/SA 3.057 0.06053

Chl-a/SA 5.615 0.00796 Forest Agricultural Urban

% Organic matter 1.613 0.21455

Nutrient content

Algal C/SA 3.484 0.04276 Forest Agricultural Urban

Algal N/SA 4.016 0.02780 Forest Agricultural Urban

Algal P/SA 2.874 0.07116

Nutrient stoichiometry

C:N 0.893 0.41928

C:P 0.086 0.91784

N:P 0.236 0.79117
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have enhanced periphyton growth, as well as P and N

content. An alternative explanation is that algal

growth effectively diluted the detrital content (high

C:P) of the periphyton, and thereby increased the net

P concentration of the assemblage. Nonetheless,

experiments using nutrient-diffusing substrata have

shown directly that increased P can have a direct

stimulating effect (Schiller et al., 2007). Such effects

may also result when either N or P is limiting algal

growth, and one nutrient is preferentially assimilated

and stored (Liess & Hillebrand, 2006).

The C:N:P stoichiometry of periphyton from our

study streams varied both above and below predicted

Redfield ratios. However, C:N ratios averaged

approximately 7.6 across our streams (Table 2),

which is very similar to a median of 7.5 from a

series of laboratory growth experiments with opti-

mum growth rates (Hillebrand & Sommer, 1999).

These authors also suggested that a range of C:N

ratios between 5 and 10 are optimum for algal

growth, while ratios [10 are indicative of N limita-

tion. More than 91% of our measured periphyton C:N

ratios (33 of 36) fell between 5 and 10, suggesting

that most were within their ‘‘optimal’’ range. In

contrast, periphyton C:P ratios in our streams were

more variable, ranging from 122 to more than 700

(mean = 248; Table 2). While Redfield (1958) sug-

gested an optimum or average value of around 106,

Hillebrand & Sommer’s (1999) results suggest that

algal C:P ratios around 130 would achieve maximum

growth rates. Only 5 of 36 streams had C:P ratios

B130 (although all were [106), and were located

within all three land-use types. By this evidence, it

would appear that algal growth may have been P-

limited in streams in all land-use types. In situ

experiments indicate that P supply may often limit

stream periphyton growth, although N ? P or

light ? P co-limitation is more common, and such

responses can be season-dependent (Bothwell, 1985;

Francoeur et al., 1999; Francoeur, 2001; Hill & Fanta,

2008). However, other experiments have observed

C90% maximal algal growth rates at SRP concen-

trations as low as 16 lg/l (Rier & Stevenson, 2006), a

concentration that was exceeded in 44% (16 of 36) of

our streams. While our data are suggestive of P

limitation, they should be viewed with some caution,

especially as periphyton assemblages likely have

varying amounts of algal, bacterial, and detrital

material.

Fig. 5 Mean periphyton biomass (lg chlorophyll-a/mm2), and

periphyton nutrient content (nmol or pmol C, N, P/mm2)

measured in streams located in one of three major land-use

types (bars represent means ± 1 SE; nforest = 15; nagricul-

tural = 13; nurban = 8; bars sharing the same letter were judged

not significantly different, based on Tukey’s HSD test

[P [ 0.05])
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Schiller et al. (2007) examined nutrient limitation

and algal stoichiometry in three streams in NE Spain

and observed that periphyton from a stream located in

a forested site had greatest C:N ratios, with interme-

diate ratios at an urban site, and lowest ratios (greater

relative N) in the agricultural stream. We observed a

different pattern among our 36 streams in New York,

with greatest periphyton C:N in urban streams

(Tables 3, 6), as well as greater absolute concentra-

tions of N and P (Fig. 5). However, the range of C:N

ratios in stream periphyton was not broad, ranging

only from 4.4 to 12.5, with most near Redfield

predictions. These ratios were not significantly

different among the three major land-use categories

(Table 7). Perhaps unlike other parts of the world,

urban streams in SE New York State received greater

inputs of dissolved N and P than either rural forested

or agricultural streams. This difference may be

attributed to differences in the intensity of agriculture

in southeastern New York state, but perhaps also

from differences in perspective. Changes in the land

use may not easily fit into strict categories, but more

likely vary continuously from rural to urban condi-

tions. As such we suggest that the gradient approach

may reveal more about the influence of land use on

stream function.

Acknowledgments We thank Alissa Perrone for technical

assistance in the laboratory, John Tirpak for advice with GIS

analyses, and Drs. William Giuliano and Amy Tuininga for

comments on an earlier draft of this article. POB received

financial support from Fordham University.

References

American Public Health Association, 1985. Standard Methods

for the Analysis of Water and Wastewater, 16th ed.

American Public Health Association, Washington, DC.

Biggs, B. J. F., 1995. The contribution of flood disturbance,

catchment geology and land use to the habitat template of

periphyton in stream ecosystems. Freshwater Biology 33:

419–438.

Biggs, B. J. F., 1996. Patterns in benthic algae of streams. In

Stevenson, R. J., M. L. Bothwell & R. L. Lowe (eds),

Algal Ecology: Freshwater Benthic Ecosystems. Aca-

demic Press, San Diego, CA: 31–56.

Biggs, B. J. F. & M. E. Close, 1989. Periphyton biomass

dynamics in gravel bed rivers: the relative effects of flows

and nutrients. Freshwater Biology 22: 209–231.

Blinn, D. W. & P. C. Bailey, 2001. Land-use influence on

stream water quality and diatom communities in Victoria,

Australia: a response to secondary salinization. Hydrobi-

ologia 466: 231–244.

Bothwell, M. L., 1985. Phosphorus limitation of lotic periph-

yton growth rate: an intersite comparison using continu-

ous-flow troughs (Thompson River system, British

Columbia). Limnology and Oceanography 30: 527–542.

Bothwell, M. L., 1988. Growth rate responses of lotic peri-

phytic diatoms to experimental phosphorus enrichment:

the influence of temperature and light. Canadian Journal

of Fisheries and Aquatic Sciences 45: 261–270.

Bran?Luebbe Analyzing Technologies, 1986a. Ortho-phos-

phate in Water and Seawater. Industrial Method No. 812-

86T. Bran?Luebbe Analyzing Technologies, Buffalo

Grove, IL.

Bran?Luebbe Analyzing Technologies, 1986b. Ammonium in

Water and Seawater. Industrial Method No. 804-86T.

Bran?Luebbe Analyzing Technologies, Buffalo Grove, IL.

Bran?Luebbe Analyzing Technologies, 1987a. Nitrate/Nitrite

in Water and Seawater. Industrial Method No. 818-87T.

Bran?Luebbe Analyzing Technologies, Buffalo Grove, IL.

Bran?Luebbe Analyzing Technologies, 1987b. Silicates in

Water and Seawater. Industrial Method No. 785-86T.

Bran?Luebbe Analyzing Technologies, Buffalo Grove, IL.

Carr, G. M., P. A. Chambers & A. Morin, 2005. Periphyton,

water quality, and land use at multiple spatial scales in

Alberta rivers. Canadian Journal of Fisheries and Aquatic

Sciences 62: 1309–1319.

Chessman, B. C., E. Primrose, H. Burch & J. M. Burch, 1992.

Limiting nutrients for periphyton growth in sub-alpine,

forest, agricultural and urban streams. Freshwater Biology

28: 349–361.

Chételat, J., F. R. Pick, A. Morin & P. B. Hamilton, 1999.

Periphyton biomass and community composition in rivers

of different nutrient status. Canadian Journal of Fisheries

and Aquatic Sciences 56: 560–569.

Cross, W. F., J. P. Benstead, A. D. Rosemond & J. B. Wallace,

2003. Consumer-resource stoichiometry in detritus-based

streams. Ecology Letters 6: 721–732.

Dodds, W. K., V. H. Smith & K. Lohman, 2002. Nitrogen and

phosphorus relationships to benthic algal biomass in

temperate streams. Canadian Journal of Fisheries and

Aquatic Sciences 59: 865–874.

Dodds, W. K., E. Mart, J. L. Tank, J. Pontius, S. K. Hamlton,

N. B. Grimm, W. B. Bowden, W. H. McDowell, B. J.

Peterson, H. M. Valett, J. R. Webster & S. Gregory, 2004.

Carbon and nitrogen stoichiometry and nitrogen cycling

rates in streams. Oecologia 140: 458–467.

Eisenreich, S. J., R. T. Bannerman & D. E. Armstrong, 1975. A

simplified phosphorus analysis technique. Environmental

Letters 9: 43–53.

Finlay, J. C., S. Khandwala & M. E. Power, 2002. Spatial

scales of carbon flow in a river food web. Ecology 83:

1845–1859.

Fitzpatrick, F. A., I. Waite, P. J. D’Arconte, M. R. Meador, M.

A. Maupin & M. E. Gurtz, 1998. Revised Methods for

Characterizing Stream Habitat in the National Water-

Quality Assessment Program. U.S. Department of the

Interior, U.S. Geological Survey, Water Resources Divi-

sion, Raleigh, NC: 67 pp.

Francoeur, S. N., 2001. Meta-analysis of lotic nutrient

amendment experiments: detecting and quantifying subtle

responses. Journal of the North American Benthological

Society 20: 358–368.

103Reprinted from the journal

Hydrobiologia (2010) 657:89–105

123



Francoeur, S. N., B. J. F. Biggs, R. A. Smith & R. L. Lowe,

1999. Nutrient limitation of algal biomass accrual in

streams: seasonal patterns and a comparison of methods.

Journal of the North American Benthological Society 18:

242–260.

Frost, P. C. & J. J. Elser, 2002. Growth responses of littoral

mayflies to the phosphorus content of their food. Ecology

Letters 5: 232–240.

Frost, P. C., H. Hillebrand & M. Kahlert, 2005. Low algal

carbon content and its effect on the C:P stoichiometry of

periphyton. Freshwater Biology 50: 1800–1807.

Godwin, C. M. & H. J. Carrick, 2008. Spatio-temporal varia-

tion of periphyton biomass and accumulation in a tem-

perate spring-fed stream. Aquatic Ecology 42: 583–595.

Graham, M. H., 2003. Confronting multicollinearity in eco-

logical multiple regression. Ecology 84: 2809–2815.

Greenwood, J. L. & A. D. Rosemond, 2005. Periphyton

response to long-term nutrient enrichment in a shaded

headwater stream. Canadian Journal of Fisheries and

Aquatic Sciences 62: 2033–2045.

Hart, D. D., 1987. Experimental studies of exploitative com-

petition in a grazing stream insect. Oecologia 73: 41–47.

Hill, W. R. & S. E. Fanta, 2008. Phosphorus and light colimit

periphyton growth at subsaturating irradiances. Freshwa-

ter Biology 53: 215–225.

Hillebrand, H. & U. Sommer, 1999. The nutrient stoichiometry

of benthic microalgal growth: Redfield proportions are

optimal. Limnology and Oceanography 44: 440–446.

Hillebrand, H., G. de Montpellier & A. Liess, 2004. Effects of

macrograzers and light on periphyton stoichiometry. Oi-

kos 106: 93–104.

Hirsch, R. M., J. F. Walker, J. C. Day & R. Kallio, 1990. The

influence on man on hydrologic systems. In Woleman, M.

G. & H. C. Riggs (eds), Surface Water Hydrology. Geo-

logical Society of America, Boulder, CO: 329–359.

Liess, A. & H. Hillebrand, 2006. Role of nutrient supply in

grazer-periphyton interactions: reciprocal influences of

periphyton and grazer nutrient stoichiometry. Journal of

the North American Benthological Society 25: 632–642.

Lorenzen, C. J., 1967. Determination of chlorophyll and

pheopigments: spectrophotometric equations. Limnology

& Oceanography 12: 343–346.

McDonnell, M. J., S. T. A. Pickett, P. Groffman, P. Bohlen, R.

V. Pouyat, W. C. Zipperer, R. W. Parmelee, M. M. Car-

reiro & K. Medley, 1997. Ecosystem processes along an

urban-to-rural gradient. Urban Ecosystems 1: 21–36.

McMahon, G. & T. F. Cuffney, 2000. Quantifying urban

intensity in drainage basins for assessing stream ecologi-

cal conditions. Journal of the American Water Resources

Association 36: 1247–1262.

Meybeck, M., 1998. Man and river interface: multiple impacts

on water and particulates chemistry illustrated in the Seine

River Basin. Hydrobiologia 373: 1–20.

Murdock, J., D. Roelke & F. Gelwick, 2004. Interactions

between flow, periphyton, and nutrients in a heavily

impacted urban stream: implications for stream restora-

tion effectiveness. Ecological Engineering 22: 197–207.

Pan, Y., R. J. Stevenson, B. H. Hill, P. R. Kaufman & A. T.

Herlihy, 1999. Spatial patterns and ecological determi-

nants of benthic algal assemblages in mid-Atlantic high-

land streams, USA. Journal of Phycology 35: 460–468.

Paul, M. J. & J. L. Meyer, 2001. Streams in the urban land-

scape. Annual Review of Ecology and Systematics 32:

333–365.

Pickett, S. T. A., M. L. Cadenasso, J. M. Grove, C. H. Nilon, R.

V. Pouyat, W. C. Zipperer & R. Costanza, 2001. Urban

ecological systems: linking terrestrial ecological, physical

and socio-economic components of metropolitan areas.

Annual Review of Ecology and Systematics 32: 127–157.

Pluhowski, E. J., 1970. Urbanization and its effect on the

temperature of streams in Long Island, New York. USGS

Professional Paper 627-D.

Ponader, K. C., D. F. Charles, T. J. Belton & D. M. Winter,

2008. Total phosphorus inference models and indices for

coastal plains streams based on benthic diatom assem-

blages from artificial substrates. Hydrobiologia 610:

139–152.

Redfield, A. C., 1958. The biological control of chemical factors

in the environment. American Scientist 46: 205–221.

Rier, S. T. & R. J. Stevenson, 2006. Response of periphytic

algae to gradients in nitrogen and phosphorus in stream-

side mesocosms. Hydrobiologia 561: 131–147.

Rothlisberger, J. D., M. A. Baker & P. C. Frost, 2008. Effects

of periphyton stoichiometry on mayfly excretion rates and

nutrient ratios. Journal of the North American Bentho-

logical Society 27: 497–508.

Schiller, D. V., E. Martı́, J. L. Riera & F. Sabater, 2007. Effects

of nutrients and light on periphyton biomass and nitrogen

uptake in Mediterranean streams with contrasting land

uses. Freshwater Biology 52: 891–906.

Snyder, E. B., C. T. Robinson, G. W. Minshall & S. R.

Rushforth, 2002. Regional patterns in periphyton accrual

and diatom assemblage structure in a heterogeneous

nutrient landscape. Canadian Journal of Fisheries and

Aquatic Sciences 59: 567–577.

Sokal, R. R. & F. J. Rohlf, 1995. Biometry, 3rd ed. W.H.

Freeman and Company, NY.
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Abstract The physico-chemical habitat template of

glacial streams in the Alps is characterized by distinct

and predictable changes between harsh and relatively

benign periods. Spring and autumn were thought to

be windows of favorable environmental conditions

conducive for periphyton development. Periphyton

biomass (measured as chlorophyll a and ash-free dry

mass) was quantified in five glacial and three non-

glacial streams over an annual cycle. One glacial

stream was an outlet stream of a proglacial lake. In all

glacial streams, seasonal patterns in periphyton were

characterized by low biomass during summer high

flow when high turbidity and transport of coarse

sediment prevailed. With the end of icemelt in

autumn, environmental conditions became more

favorable and periphyton biomass increased. Biomass

peaked between late September and January. In

spring, low flow, low turbidity, and a lack of coarse

sediment transport were not paralleled by an increase

in periphyton biomass. In the non-glacial streams,

seasonal periphyton patterns were similar to those of

glacial streams, but biomass was significantly higher.

Glacier recession from climate change may shift

water sources in glacier streams and attenuate the

glacial flow pulse. These changes could alter pre-

dicted periods of optimal periphyton development.

The window of opportunity for periphyton accrual

will shift earlier and extend into autumn in channels

that retain surface flows.

Keywords Alpine � Algae � Primary production �
Stream � Flow regime � Glacier � Ecological windows

Introduction

Glacial streams are common landscape features of

high latitudes and mountain ranges ascending above

the permanent snow line. Glacial streams are year-

round cold habitats with a characteristic fauna (Ward,

1994; Füreder, 1999), and in temperate latitudes, the

only remnants for cold-adapted lotic organisms since
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the end of the last ice age. However, these habitats

are under severe threat as ongoing global warming

has dramatically accelerated glacier recession. For

instance, glaciers in Switzerland lost *20% of their

area from 1985 to 1998 (Paul, 2003) and 80 to[90%

of the Alpine glacier mass may be lost by 2100

(Watson et al., 1997; Zemp et al., 2006). The

consequences of such a scenario would be the

widespread loss of Alpine glacial streams, with most

streams then being fed by snowmelt or groundwater

(Milner et al., 2009).

The ecology of alpine streams, glacial streams in

particular, has attracted much interest driven by

scientific curiosity and concerns about the impact of

climate change (e.g., Milner & Petts, 1994; Ward &

Uehlinger, 2003; Milner et al., 2009). However, most

studies have focused on benthic invertebrates and

largely ignored the energy base of these systems (e.g.,

Burgherr, 2000; Castella et al., 2001; Robinson et al.,

2001; Brown et al., 2006). Primary production in

wetted channels and allochthonous inputs of organic

matter from adjacent riparian zones provide the basal

energy supporting heterotrophic communities in lotic

ecosystems. High latitude streams and alpine head-

waters drain catchments with sparse or even absent

vegetation, and consequently, inputs of particulate

organic matter from the riparian zone into stream

channels are low or lacking (McKnight & Tate, 1997;

Zah & Uehlinger, 2001). Some studies suggest that

benthic algae are the dominant energy source in these

streams (Lavandier & Décamps, 1984, McKnight &

Tate, 1997; Uehlinger & Zah, 2003), and only a few

investigations exist on the structure of benthic algal

communities of high altitude alpine streams (see

review by Rott et al., 2006). For instance, benthic

algae in glacial streams of Antarctica have been

examined by various investigators (Howard-Williams

et al., 1986; Howard-Williams & Vincent, 1989;

Vincent & Howard-Williams, 1989; Hawes et al.,

1992), but seasonal patterns are presumably unlike

those of glacial streams in temperate latitudes

because of differences in flow regime, including

periods of scouring flow, and photoperiod.

In glacial streams of the Alps, the radiation and

temperature controlled release of water between early

summer and autumn occurs in the form of a distinct

and predictable flow pulse (Tockner et al., 2000;

Uehlinger et al., 2003) during which bed load

transport, high concentration of suspended solids

(high turbidity), and relatively low temperatures

prevail (Milner & Petts, 1994). In winter, stream

channels can be covered by snow, freeze or fall dry

(Malard et al., 2006). In contrast to the harsh

environment in summer and winter, more benign

conditions prevail during spring and autumn when

flow is relatively low (no bed load transport),

temperature moderate, and light conditions little

affected by suspended solids. Therefore, it has been

hypothesized that spring and autumn are ecological

windows of opportunity for benthic algae, i.e., periods

favoring the accrual of algal biomass otherwise

constrained by factors such as moving bed sediments

and limited light availability (Uehlinger et al., 2002;

Milner et al., 2009). In a year-long study of a glacial

river, periphyton dynamics reflected to some extent

this seasonal change between harsh and benign habitat

conditions (Uehlinger et al., 1998).

The objectives of this study were to (1) examine

seasonal periphyton development in glacial streams

over an annual cycle with regard to the environmental

features that characterize the physico-chemical hab-

itat template of Alpine glacial streams; i.e., to what

extent annual patterns in periphyton biomass corre-

spond to the above mentioned concept of ecological

windows (Uehlinger et al., 2002) and (2) discuss how

ongoing climate change may affect the physico-

chemical habitat template and, as a consequence,

periphyton, which is assumed to be the autotrophic

energy base of these streams. This study was part of a

comprehensive investigation of high altitude Alpine

streams that focused on benthic invertebrates and

benthic algae (Hieber et al., 2001, 2002, 2005;

Robinson et al., 2001; Zbinden et al., 2008). In order

to better evaluate the glacial influence, we used data

from three non-glacial streams that were at similar

elevations and with year-round data available.

Methods

Study sites

The glacial streams studied were located downstream

of the termini of five rapidly receding valley glaciers

in the Swiss Alps (inset Fig. 1). Site elevations varied

from 1,210 to 2,159 m a.s.l., and catchment areas

from 14 to 35 km2 (Table 1). Between 40 and 70% of

individual catchments were covered by glaciers.

108 Reprinted from the journal

Hydrobiologia (2010) 657:107–121

123



Morphological data and catchment characteristics are

given in Table 1. One stream (Roseg) is the outlet of

a proglacial lake; i.e., the Roseg Glacier ends in a 1.2-

km long proglacial lake (area 0.22 km2) confined by

the lateral moraine of the adjacent Tschierva Glacier.

Melt waters of both glaciers merge in the foreland of

the Tschierva Glacier to form the Roseg River. In

four of the five catchments, the underlying bedrock

was granite or granitoids. Sedimentary rock (lime-

stone) only occurred in the lowest part of the upper

Grindelwald Glacier drainage. In glacial streams,

sampling took place from July 1998 to September/

October 1999. Study sites were visited at about

monthly intervals from spring to autumn. During

winter, sampling was less frequent because snow

restricted site access. The sites below the Lang

Glacier could not be sampled from December to

April. The non-glacial streams comprised two peren-

nial groundwater-fed streams (G1 and G2) located in

the Val Roseg flood plain, at about 2,030 m a.s.l., and

the Güglia, an alpine stream fed by snowmelt and

groundwater, at 2,205 m a.s.l. The groundwater-fed

streams were sampled from July 1996 to January

1999, and the Güglia was sampled from July 1999 to

August 2000.

Physics and chemistry

Gauging stations of the Federal Office for Water and

Geology recorded discharge 8–15 km downstream of

each glacier stream. At these stations, the recorded

discharge also included water from glacial tributaries

joining the study river between the lowermost

sampling sites and the gauging station. In order to

estimate discharge for the study reaches, we allocated

the discharge to study rivers and tributaries propor-

tional to the glacier surface. For the Tschierva and

Roseg glacier streams, discharge recorded at the

gauging station in Pontresina was allocated to each

stream using temperature as a tracer (Uehlinger et al.,

2003). Continuous discharge records of non-glacial

streams were not available. Discharge of these

streams was measured a few times using the tracer

dilution method (Gordon et al., 1992) or the velocity

area method (Davis et al., 2001).

As an indicator of bed sediment stability, we

estimated the critical discharge for initiation of bed

sediment transport based on channel geometry,

average slope, and grain size distribution according

to Günter (1971) and Gessler (1965). In each stream,

one temperature logger (StowAway, Onset Computer

Corp., Pocasset MS, USA or Minilog, Vemco Ltd.,

Shad Bay N.S., Canada) was installed between the

upper and lower sites. Loggers were enclosed in

stainless steel housings and fixed with a chain to a

metal rod on the bank.

Snow cover at the study sites was estimated each

time when the sites were visited, but more compre-

hensive snow data are lacking. Information on light

availability at the channel bottom at the study sites

was not available.

Specific conductance (lS cm-1 at 20�C) was

measured with a conductivity meter (LF323, WTW,

Weilheim, Germany). Turbidity (nephelometric tur-

bidity units: NTU) was determined using a portable

turbidity meter (Cosmos, Züllig, Rheineck, Switzer-

land). Surface water (1 l) was collected from each

stream on each sample date, returned to the labora-

tory in a cooler, and then filtered through pre-ashed

glass fiber filters (GF/F, Whatman). The filtrate was

analyzed for NH4–N, NO3–N, soluble reactive phos-

phorus (SRP), and particulate phosphorus (PP).

Analytical methods are described in detail by Tock-

ner et al. (1997).

47°N

9°E

Rhone

Rhine
River

Aare

L

G

R

M

In
n

e
ni

h
R

T

N

G1, G2Gü

0

-200

-400

1988 1992 1996

R

L

G
T

M

C
um

ul
at

ed
le

ng
th

 c
ha

ng
e

 (
m

)

0 50 km

Fig. 1 Map of the study sites (open circles) within the Swiss

Alps (shaded area). Major lakes are black. L Lang Glacier, G
Oberer Grindelwald Glacier, R Lake outlet of the proglacial

Roseg Lake, T Tschierva Glacier, M Morteratsch Glacier. G1
and G2 Groundwater-fed streams in the Val Roseg. Gü Güglia.

The inset shows the cumulated length change of the five

glaciers since 1987 (data provided by the World Glacier

Monitoring Service, Zurich)
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Periphyton

For determination of periphyton biomass, 10 rocks

were randomly collected at each site along a 20-m

long section of channel. Collected rocks were trans-

ported to the laboratory in a cooler. Algae were

removed from each stone with a brass wire brush and

rinsed into a bucket. Aliquots of the suspension were

filtered through glass fiber filters (Whatman GF/F)

for analysis of chlorophyll a and ash-free dry mass

(AFDM). The remaining suspensions were compos-

ited, and an aliquot of 20 ml preserved in 2%

formalin for later identification of algae (a detailed

description has been given by Hieber et al., 2001).

The filters for chlorophyll a analysis were transferred

to individual screw-cap vials filled with 6 ml ethanol

(90% v/v), boiled at 76�C for 10 min, and stored in

the dark at 4�C until analyzed. Chlorophyll a was

determined by HPLC (Meyns et al., 1994). For

determination of AFDM, filters were dried at 60�C,

weighed, ashed for 3 h at 500�C, and reweighed.

Area values of chlorophyll a (mg/m2) and AFDM

were calculated as described in Uehlinger (1991).

Data analysis

In order to evaluate the effect of stream type (glacial

and non-glacial) and season, we used analysis of

variance (ANOVA) followed by Tukey’s multiple

comparison test. Prior to analysis, data were trans-

formed log(x ? 1) to improve normality (Zar, 1996).

Effects were considered significant at P \ 0.05. We

defined the length of each season as follows: (1)

spring: April and May; (2) summer: June 1–Septem-

ber 15; (3) autumn: September 16–November 15; and

(4) winter: November 16–March 31. These season

lengths approximately correspond to the glacial

hydrograph: snowmelt/flow increase from April to

end of May, summer high flow/ice melt until the first

half of September, subsequent autumnal flow decline,

and the extended winter low flow (Fig. 2).

Results

The physico-chemical environment

The overall discharge pattern (vernal flow increase,

summer high flow, autumnal flow recession, winter

low flow) was similar in all glacial streams including

the Roseg Lake outlet. Cold weather periods (reduced

icemelt) and spates induced by rain storms resulted in

substantial (stochastic) flow variation in summer and

autumn (Fig. 2). The estimated critical flow for

initiation of bed sediment transport was frequently

exceeded during summer, except for the proglacial

Roseg Lake outlet and the upper Morteratsch site.

Both of these sites are characterized by wide channels

and relatively small slopes (Table 1). Discharge in the

groundwater-fed streams of the Val Roseg varied from

1996 to 1999 between 0.005 in autumn/winter and

0.06 m3 s-1 in late spring (snow melt) and between

0.24 and 0.37 m3 s-1 in the Güglia from 1999 to 2000.

Movement of bed sediments can be excluded in the

groundwater-fed streams, but bed load transport

cannot be excluded during snow melt in May/June

and rainstorm induced spates in the Güglia.

Figure 3 illustrates seasonal patterns of daily mean

temperatures in three glacial and two non-glacial

streams. Daily mean water temperatures during sum-

mer varied between 0.5 and 2.1�C in the glacial streams

below Morteratsch, upper Grindelwald, Lang, and
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downstream of the study sites. At the Roseg River gauging

station discharge included the meltwater of both Tschierva and

Roseg Glaciers
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Tschierva Glacier, and between 2.6 and 7.0�C in the

Roseg Lake outlet. Winter temperatures ranged from

0.0 to 1.6�C (glacial and non-glacial streams). Daily

mean temperatures in the non-glacial streams ranged

from 3.7 to 5.9�C in the Val Roseg floodplain and from

3.9 to 7.1�C in the Güglia during summer.

In glacial streams, turbidity was significantly

higher (annual average 125 ± 128 NTU) than in

non-glacial streams (annual average 1.9 ± 3.4 NTU)

and significantly varied with season (Fig. 4A). Tur-

bidity was low from December to April (\5 NTU)

except from the Roseg Lake outlet, where it ranged

from 30 to 55 NTU, began to increase by the end of

April, peaked between June and mid-September, and

was still relatively high in autumn. The investigated

non-glacial streams exhibited no significant seasonal

variation.

Snow covered the channel below the Tschierva

Glacier from January to April 1999. The upper and

lower sites below the Grindelwald Glacier were snow

covered by 90 and 60%, respectively, in January

1999, and by 100 and 90% until April after a heavy

snowfall in February 1999. The Tschierva site was

snow covered in January and February (presumably

to mid of April). The Roseg Lake outlet site was open

during winter as well as the upstream Morteratsch

site. At the lower Morteratsch site, snow free areas

were restricted to a few areas (about 1–2 m2) until a

large snowfall in February deeply covered the stream

until mid April 1999. The two groundwater-fed

channels in the Roseg flood plain as well as the

Güglia site were not snow covered during winter.

In glacial streams, conductivity reflected the

seasonality in glacial influence (Fig. 4B). In non-

glacial streams, conductivity was higher and lacked

seasonal variation (Table 2). In both stream types,

nitrate concentrations were relatively high with

maximum concentrations during spring (Table 2;

Fig. 4C). In glacial streams, ammonia concentrations

were 2–8 fold higher than in non-glacial streams

(Table 2); the difference mainly resulted from the

significantly elevated concentrations during the sum-

mer ice melt. Concentrations of SRP were generally

low (Table 2), often below the detection limit (\1 lg

P l-1), and showed no seasonal pattern in both stream

types. PP was high in glacial streams and varied

seasonally like turbidity (Table 2; Fig. 4D). The low

PP concentrations in non-glacial streams lacked any

seasonality.

Periphyton

Figure 5 depicts seasonal patterns of chlorophyll a in

the investigated streams (ash-free dry mass showed
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similar patterns). In the three glacial streams, Tschi-

erva, Grindelwald and Lang, chlorophyll was low

during summer (average values 0.6–4.9 mg Chl. a

m-2), increased in September, peaked in October/

November (35–98 mg Chl. a m-2), rapidly decreased

through December/January (no data from Lang), and

subsequently declined to summer low values. In two

glacial streams, Morteratsch and Roseg Lake outlet,

seasonal patterns were similar but relatively high

biomass persisted until March/April (no snow cover

at the Roseg and upper Morteratsch sites); average

summer biomass equaled 8.1 ± 6.7 mg Chl. a m-2 at

the Morteratsch sites and 14.5 ± 8.5 mg Chl. a m-2

at the Roseg site (stable bed sediments at the Roseg

and upper Morteratsch site, Table 1). High biomass

in autumn/winter and relatively low biomass in late

spring and summer characterized the non-glacial

streams; in G1 and G2, Chl. a peaked in November at

329 ± 0.39 and 120 ± 41 mg m-2, respectively.

Average annual biomass in these two groundwater-

fed streams exceeded that in the snowmelt-fed Güglia

by two- to sevenfold.

Table 2 Conductivity, inorganic nitrogen and phosphorus compounds (mean and standard deviation) of the five streams during the

study period

Conductivity (lS cm-1) NH4–N (lg l-1) NO3–N (lg l-1) SRP (lg l-1) PP (lg l-1)

Glacial streams

Grindelwald 88 ± 52 14 ± 12 234 ± 107 1 ± 1 49 ± 58

Lang 53 ± 28 20 ± 12 138 ± 59 1 ± 1 112 ± 66

Tschierva 52 ± 32 8 ± 9 329 ± 120 3 ± 1 130 ± 224

Morteratsch 47 ± 33 25 ± 30 263 ± 65 2 ± 2 69 ± 127

Roseg 45 ± 19 21 ± 21 174 ± 42 2 ± 1 31 ± 19

Non-glacial streams

G1 98 ± 26 4 ± 8 365 ± 114 2 ± 1 3 ± 3

G2 64 ± 20 4 ± 3 266 ± 95 1 ± 1 2 ± 2

Güglia 88 ± 12 3 ± 4 176 ± 52 \1 ± \ 1 1 ± 1

G1 and G2 are groundwater-fed streams in the Roseg floodplain
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In glacial and non-glacial streams, seasonal dif-

ferences in chlorophyll a and ash-free dry mass were

significant, and the overall seasonal patterns were

similar in both stream types; i.e., low biomass during

summer and high biomass in autumn and winter

(Fig. 6). In non-glacial streams, biomass was signif-

icantly higher than in glacial streams (ANOVA, P \
0.05).

Parallel to our study, Hieber et al. (2001) analyzed

the structure of the algal communities of the five

investigated glacial streams. Algal abundances

showed strong seasonal variation, but seasonality in

community composition (genera richness) was minor.

Algal communities of the investigated glacial streams

were dominated by Hydrurus foetidus during autumn

and winter. The genera Achnanthes, Cymbella, and

Fragilaria prevailed among diatoms, Lyngbya, Cha-

maesiphon, and Oscillatoria among cyanobacteria.

Genera richness observed during the study varied

between three (Lang, Tschierva) and 22 (Roseg).

Discussion

Periphyton biomass in the investigated Alpine glacial

streams was low in summer and relatively high in

autumn and, if sites were not covered by snow, also

in winter. Apparently, suitable conditions in respect

to flow, turbidity, and temperature did not coincide

with enhanced vernal periphyton accrual. In non-

glacial streams, vernal periphyton accrual was lack-

ing and biomass continued to be relatively low during

summer. This pattern does not support the hypothesis

of two windows of opportunity for periphyton.

Environmental conditions are apparently less suitable

for periphyton in spring than in autumn. As seasonal

biomass patterns were similar in non-glacial alpine

streams to that of glacial streams, the low biomass in

summer and high biomass in autumn/winter may be a

general feature of periphyton dynamics in high alpine

streams. This similarity in biomass patterns also

suggests that besides turbidity, temperature, flow, and

related factors such as shear stress and bed move-

ment, other parameters should also be examined as

potential constraints on periphyton.

The physico-chemical habitat template

The discharge regime of glacial streams is character-

ized by a distinct and predictable flow pulse (Uehlinger

et al., 2003). In spring, rising air temperatures and solar

radiation increase the release of melt water. Discharge

in glacial streams peaks in July but remains high until

mid-September. The glacial flow pulse usually coin-

cides with substantial sediment transport that includes

fine inorganic particles as well as bed load. Sediment

stability plays a crucial role in periphyton accrual

(Peterson, 1996) as moving bed sediments are a major

constraint of periphyton accrual (Uehlinger et al.,

1996). However, data on sediment transport or infor-

mation on flow thresholds for sediment transport in

glacial streams are usually lacking (e.g., Milner et al.,

2001). Instead, channel stability indices based on

hydraulic parameters, size and shape of grains, and

vegetation have been used as a surrogate of substratum

stability (Pfankuch, 1975; Hieber et al., 2002). In this

study, evidence for the transport of coarse sediment

includes lateral channel shifts (below the Tschierva

and Lang glaciers) and burying of logging instruments

in all glacial streams except Roseg.

Our calculations of critical discharge (initiation of

bed load transport) suggest that bed load transport can

occur at most glacial sites during summer high flow,

but since discharge estimates for the study reaches

are relatively rough, uncertainties about frequency

and extent of periods with bed load transport are

substantial. The forelands of receding glaciers are a

rich source of sediment susceptible to fluvial trans-

port during summer high flow. A proglacial lake such

as Lake Roseg interrupts the downstream transport of

coarse sediments from recently deglacierized fore-

lands. As a consequence, corresponding outlet

streams are considered to be relatively benign

environments, at least in respect to the abrasive
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impact of moving sediments, unless coarse sediment

is supplied from other sources (Hieber et al., 2002).

Solar radiation includes photosynthetically active

radiation (PAR) as well as UV radiation with PAR as

the ultimate source of energy for algae. High turbidity

from high loads of suspended solids characterizes

glacial streams during summer high flow. Concen-

trations of suspended solids positively correlate with

discharge at a seasonal scale, but sediment concen-

trations can suddenly change without any noticeable

change in discharge at the scale of hours (Gurnell,

1987). Depending on depth and turbidity, light

availability to the stream bed can be strongly

reduced. The relationship between turbidity and

PAR attenuation determined in the Roseg catchment

indicates that a turbidity of 250 NTU will attenuate

about 95% of the incident light in a water column of

0.5 m depth (U. Uehlinger, unpublished data). In

shallow streams (depth \0.5 m), an increase of 25

NTU is expected to decrease primary production by

13–50% (Lloyd et al., 1987). A reduction in light

intensity by [90% largely reduces benthic primary

production but may have a minor influence on

periphyton standing crops (Hill et al., 2001). In the

absence of scouring flow, biomass can still be

relatively high although light attenuation is high.

For example, in the turbid Roseg Lake outlet

(estimated average light attenuation about 80% and

lack of bed load transport), ash-free dry mass was

several times higher than in the adjacent glacial

stream below the Tschierva glacier (estimated aver-

age light attenuation about 90%) during summer, i.e.,

8.0 ± 3.4 vs. 1.0 ± 04 g m-2.

Snow cover during winter is presumably more

efficient in intercepting light than turbidity. Measure-

ments in the Roseg catchment showed that a snow-

pack of 60 cm may reduce incident PAR light by

99% (U. Uehlinger, unpublished data); snow depth in

winter often exceed 1 m at elevations[2,000 m a.s.l.

We hypothesize that light exclusion by snow may be

an important factor responsible for low biomass

during winter. The extent to which glacial streams

will be snow covered depends on local factors such as

a lake (e.g., Lake Roseg outlet stream) or the

upwelling of relatively warm groundwater (e.g.,

upper site at Morteratsch) (Schütz et al., 2001).

Elucidating the availability of light as constraint of

periphyton accrual in high alpine streams requires

continuous monitoring of incident light, assessment

of vertical light attenuation in the water column and

snow pack, and quantitative monitoring of snow and

ice cover in combination with periphyton coloniza-

tion experiments using natural or artificial substrata.

In the Alps, global UV (direct and diffuse radiation)

increases by about 11% 1,000 m-1 (Schmucki &

Philipona, 2002). Moreover, high reflectivity of the

ground and low aerosol concentrations further elevates

UV-radiation levels in alpine environments. The

intensity of UV radiation is subject to distinct seasonal

variation: UV-A varies about 6-fold and U-B around

20-fold (Blumthaler et al., 1992). In the Alps, at an

elevation of *2,000 m a.s.l., the average intensity of

incident UV radiation in spring (April, May) is about

2.5 times higher than in autumn (September, October)

(Blumthaler et al., 1992). In spring, snow cover

additionally increases the UV radiation load (Caldwell

et al., 1980). Relatively high UV radiation and PAR

intensities, shallow water, and low concentrations of

dissolved organic matter may affect periphyton accrual

in spring. Algae are more sensitive to UV stress at low

temperature and relatively high PAR (Roos & Vincent,

1998); i.e., under environmental conditions prevailing

at high altitude. UV exclusion experiments have

demonstrated that UV can suppress periphyton accrual

(Bothwell, 1985, 1989; Bothwell et al., 1993; Vine-

brooke & Leavitt, 1996; Francoeur & Lowe, 1998;

Vinebrooke & Leavitt, 1999).

Some authors have also found no significant effect

of UV on periphyton (DeNicola & Hoagland, 1996;

Hill et al., 1997) and, over a long term, UV exposure

even increased periphyton biomass presumably by

reducing grazing impacts or bacterial competition for

nutrients (Bothwell et al., 1993; Francoeur & Lowe,

1998). Based on studies in alpine lakes, Vinebrooke

and Leavitt (1996, 1999) hypothesized that in cold

unproductive systems, the indirect impact of UV via

the food web (e.g., reduced grazing) is low compared to

the overall dominance of abiotic community regula-

tion. A significant negative relationship between PAR

and periphyton accrual was found in a stream-side

channel experiment performed in the Alps at an

elevation of 2,200 m a.s.l. (Wellnitz & Ward, 2000).

The investigation of Wellnitz & Ward (2000) took

place in September when light intensities were similar

to those in spring. Field studies are needed for a

decisive assessment of the potential UV/PAR-impact

that comprises experimental manipulation of UV and

PAR.
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Glacial streams are cold systems; temperatures are

near 0�C even during summer at the snout of a glacier

(Gı́slason et al., 2001). Glacial streams reach maxi-

mum temperatures early in the year (May/early June).

Rising solar radiation and air temperatures increase

stream temperatures in spring, but with the release of

cold meltwater, temperatures are persistently reduced

compared to non-glacial streams at the same elevation

(Uehlinger et al., 2003). In the Alps, water tempera-

tures rapidly increase downstream (mean annual

temperature by about 0.005�C m-1), which limits

the longitudinal extent of cold habitats (metakryal and

hypokryal) and the phenomenon of the summer

temperature depression (Uehlinger et al., 2003).

Proglacial lakes increase outlet stream temperatures

during summer compared to non-outlet glacial streams

by several degrees (Hieber et al., 2002; Uehlinger

et al., 2003). Low temperatures slow down algal

growth rates, but periphyton biomass apparently

reaches high values if discharge and turbidity are

low and snow cover is lacking. For example, biomass

increased to 30 ± 14 g AFDM m-2 in March at the

open upper Morteratsch site. Low temperature is

apparently not a primary constraint for the formation

of autotrophic biofilms in glacial streams.

The Alps receive relatively high amounts of nitro-

gen compounds by atmospheric deposition (Rhim,

1996). As a consequence, headwater streams in the

Alps, including glacial streams, are characterized by

nitrate concentrations typically [200 lg NO3–N l-1

(this study, Hieber et al., 2002; Robinson et al., 2002,

this study, Tockner et al., 2002). These concentrations

are high considering the fact that the transition from

nitrogen limitation to nitrogen saturation is in the range

of 50–60 lg l-1 for inorganic nitrogen compounds

(Grimm & Fisher, 1986, Newbold, 1992). Experiments

using nutrient diffusing substrata performed in alpine

streams, including the proglacial reach below the

Tschierva Glacier, indicated that periphyton accrual is

not nitrogen limited (Robinson et al., 2002).

In contrast, phosphorus may become temporarily

limiting in glacial and non-glacial streams. Concen-

trations of SRP varied from 0 (below detection limits)

to a maximum of 6 lg P l-1, which is in the range

reported to limit algal growth (Bothwell, 1985;

Newbold, 1992). Experiments with nutrient diffusing

substrata performed in the Roseg River and other

glacial streams indicate potential phosphorus limita-

tion in spring but not in autumn; the results of

summer experiments were inconsistent presumably

due to the interference of abiotic factors such as

current and glacial flour (Rinke et al., 2001; Robinson

et al., 2002). Glacial flour can be a source or a sink of

bio-available phosphorus (Bretschko, 1966; Hodson

et al., 2004). Hodson et al. (2004) found that between

0.2 and 7% of the total P of glacial flour of different

provenience may be potentially available for algae.

However, we lack information about environmental

conditions favoring desorption of P from glacial flour

in the rivers investigated.

Biotic processes

Invertebrate grazing can negatively affect periphyton

accrual in alpine streams (Wellnitz & Ward, 2000).

The few year-round investigations of glacial streams

showed that benthic invertebrates can reach high

densities at various times during the annual cycle

(Burgherr & Ward, 2000, Robinson et al., 2001;

Schütz et al., 2001). Therefore, the hypothesis that

grazing influences annual patterns of periphyton

biomass in glacial streams, apart from abiotic factors,

should be considered. Invertebrate densities in glacial

streams are likely to be low during summer high flow

and high between autumn and spring (Kowanacki,

1991; Gı́slason et al., 2001, Robinson et al., 2001;

Schütz et al., 2001; Burgherr et al., 2002), although

deviations from this overall pattern can be substan-

tial. For example, annual patterns of benthic grazers

were quite different in some of the streams investi-

gated in this study (Fig. 6 in Robinson et al., 2001).

Overall, there exists no unequivocal coincidence of

low invertebrate densities with high periphyton

biomass and vice versa. A conclusive evaluation of

a grazing impact in glacial streams would require

field experiments similar to the stream-side channel

study of Wellnitz & Ward (2000) and was beyond the

scope of this study.

Ecological windows of opportunity

for periphyton?

The conceptual diagram in Fig. 7 is an attempt to

summarize the potential relationships between regio-

nal climate and abiotic habitat conditions in Alpine

glacial streams and the response of periphyton.

Regional climate, topography, and geology are the

ultimate factors controlling proximate factors such as
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incident PAR and UV radiation, discharge (flow

regime), shear stress, transport of fine (turbidity) and

coarse sediments, and snow cover. Super-imposing

annual patterns of the proximate factors result in

periods during which environmental conditions are

expected to favor or constrain periphyton accrual.

The period in autumn (mid-September to mid-

November) is characterized by relatively low

W Sp Su A

Phosphorus
availability

W Sp Su A

Incident light

W Sp Su A

Flow

W Sp Su A

Snow cover

W Sp Su A

Turbidity

W Sp Su A W Sp Su A

Bed load

W Sp Su A

Temperature

erutarepmet riAnoitaidar raloS

REGIONAL CLIMATE

STREAM CONDITIONS

Winter Spring Summer Autumn
)A()uS()W(

UV

Available
light

Habitat
template

Periphyton
biomass

(Sp)

Snow covered
channel

openchannel

snow

covered

?

Open
channel

W
in

do
w

 ?

W
in

do
w

Fig. 7 Windows of opportunity for periphyton accrual in the

physico-chemical habitat template of glacial streams in the

Alps (conceptual diagram). Solar radiation and air temperature

control discharge (melt of snow/ice, transient precipitation

storage) and stream temperature. The cold meltwater halts the

vernal temperature increase and keeps summer stream temper-

atures low. Glacial melt is paralleled by high turbidity (glacial

flour) reducing PAR at the stream bottom. PAR availability

also depends on the seasonally changing sun angle and the

interception by snow if channels become snow covered; PAR

exclusion by snow imposes a major constraint on algal growth.

High levels of UV radiation may suppress periphyton in spring

and summer. Transport of coarse sediments (bed load) occurs

when flow is high, e.g., when warm summer weather enhances

ice melt. The abrasive impact of moving sediment severely

impedes periphyton accrual. Superimposing annual patterns of

the proximate factors of influence delimits a relatively

favorable period for periphyton growth in autumn and

eventually in spring and, if the stream channel remains open,

also in winter
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discharge (no transport of coarse sediments), low

turbidity, moderate temperatures (considering con-

straints of the regional climate), and moderate solar

radiation with respect to the impact, UV in particular.

Low temperatures and low PAR intensities during

winter (low solar angle, shading by aspect) appar-

ently impose minor constraints on periphyton unless

channels become covered by snow ([99% PAR

exclusion). UV radiation, in combination with low

temperature and relatively high PAR intensities, and/

or phosphorus limitation may suppress periphyton

accrual in spring despite otherwise suitable flow

conditions. However, Rott et al. (2006) reported

spring periphyton peaks in a glacial stream of the

Austrian Alps, in contrast to the findings of our study,

suggesting the existence of a vernal opportunity

window.

The conceptual model linking habitat conditions

and periphyton patterns should be considered as a

hypothesis for glacial streams in the Alps and

presumably other high mountain ranges at temperate

latitudes. We are aware that the database for gener-

alizations about periphyton in these systems is still

relatively small, and that further studies are needed to

corroborate or refute assumptions, on which the model

is based, such as, for example, the role of UV for

periphyton accrual in spring or the lack of substantial

biotic interactions.

Climate change perspectives

Predictions for catchments in the Swiss Alps suggest a

decline in annual precipitation that is paralleled by

increasing winter precipitation, decreasing summer

precipitation, increasing evapotranspiration and major

loss of glacierized areas (Horton et al., 2006; Zemp

et al., 2006). In the catchment of the Roseg River, the

glacier covered area is expected to decrease by[90%

and discharge by about 20% (median of regional

climate model experiments, A2 and B2 scenarios

defined by IPCC) to the end of this century (Horton

et al., 2006). The shift from a glacier-driven to a

snowfall/rainfall-driven flow regime will increase

inter-annual flow variability (Horton et al., 2006)

and, thus, reduce the predictability of the annual flow

pulse. The flow pulse will also be shifted toward spring

because of the earlier onset of snow melt and

hydrographs may become more influenced by unpre-

dictable rainstorms. Precipitation typically has a

negative influence on glacial runoff, whereas in

largely deglacierized catchments, precipitation rapidly

turns into runoff (but see Röthlisberger & Lang, 1987).

In largely glacierized basins, the enhanced water yield

due to increased air temperatures is expected to

intensify the glacial flow pulse but only during an

initial phase (Braun et al., 2000).

The loss of glaciers will result in a shift of water

sources from snow/ice melt dominated to snow melt,

rain and groundwater dominated during summer, and

the flow regime will be similar to the nivo-pluvial

regimes of lower Alpine regions (Braun et al., 2000).

The reduced water yield in combination with minor

subsurface water storage, shallow or lacking aquifers

that typically characterize high Alpine basins, is

expected to increase surface flow intermittency with

declining glacierization. Today, flow intermittency of

high elevation low-order Alpine streams can already

be substantial. For example, Robinson and Matthaei

(2007) documented that the wet channel network of a

non-glacierized Swiss alpine catchment contracted by

more than 60% in late autumn, and Tonolla (2005)

showed that about 90% of the surface channels fell

dry by autumn in the Roseg catchment. The receding

glaciers expose large amounts of unconsolidated

sediments susceptible to fluvial transport during the

meltwater peak and rainfall induced spates presum-

ably increase the devastating impact of such events

for sessile organisms. The shift in water source also

will cause water temperatures to become warmer as

well. All these changes will likely influence the

distributions and abundances of macroinvertebrates

with some lower elevation species already colonizing

high elevation streams in the Alps (D. Finn, unpub-

lished data) as well as benthic primary producers. The

amount and kinds of riparian vegetation are also

expected to change with potential effects on carbon

and nutrient relationships in adjacent streams.

Based on these expectations, we predict in the long

term that the windows of opportunity for periphyton

growth to shift in running waters of the Alps with

decreasing glacial influence and raising temperatures.

In spring, periphyton development should be more

limited by higher flows that mobilize sediments,

reduce transparency, and thus presumably confound

the impact of high solar UV. The high flows should

also limit the effects of grazing by invertebrates. On

the other hand, if the channel snow cover disappears

earlier than today, the UV impact during the spring
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low flow period will be smaller and periphyton may

accumulate before increasing discharge impose con-

straints. Already, early summer flows will be influ-

enced by periodic extreme events that may scour

periphyton and reduce biomass, although recovery

should be relatively rapid. Water clarity should be

improved with the reduction in glacial meltwater and

inputs of glacial flour. Lower flows should occur

earlier in late summer when light and temperature

conditions become more optimal for periphyton

growth, but this effect may be offset by high UV

radiation. The autumnal window of opportunity may

shift earlier in alpine catchments and extend into late

autumn in channels that retain surface flows. Flowing

water channels also may stay open longer and not

become snow covered until late winter, further

extending the window for periphyton growth. The

counter effects by grazing invertebrates may limit

somewhat periphyton development. In perennial

systems with no or minor glacial influence, seasonal

biomass pattern may still be similar to those observed

today in non-glacial streams apart from an eventually

early vernal and an extended autumnal/winter peak.

However, major changes in seasonal patterns are

expected when streams fall dry, e.g., if surface flow

already ends in late summer and only resumes in

spring. When glaciers disappear, this becomes a

realistic scenario for rivers, the surface flow of which

strongly depends on the recharge of the valley aquifer

by the glacial flow pulse (Malard, 2003).
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Abstract Developing new biological indicators for

monitoring toxic substances is a major environmental

challenge. Intensive agricultural areas are generally

pesticide-dependent and generate water pollution due

to transfer of pesticide residues through spray-drift,

run-off and leaching. The ecological effects of these

pollutants in aquatic ecosystems are broad-ranging

owing to the variety of substances present (herbicides,

fungicides, insecticides, etc.). Biofilms (or periphyton)

are considered to be early warning systems for

contamination detection and their ability to reveal

effects of pollutants led researchers to propose a

variety of methods to detect and assess the impact of

pesticides. The present article sought to provide new

insights into the ecological significance of biofilm

microbial communities and to discuss their bioindica-

tion potential for water quality and land use by

reporting on 4 years of research performed on the

French Ardières-Morcille experimental watershed

(AMEW). Various biological indicators have been

applied during several surveys on AMEW, allowing

the characterisation of (i) the structure and diversity of

biofilm communities [community level finger printing

(CLFP) such as PCR–DGGE and pigment classes],

(ii) functions associated with biofilm [community level

physiological profiles (CLPP) such as extracellular

enzymes, pesticides biodegradation or carbon sources

biodegradation] and (iii) biofilm tolerance assessment

(pollution-induced community tolerance, PICT) of the

main contaminant in the AMEW (copper and diuron).

Approaches based on CLFPs and PICT were consistent

with each other and indicated the upstream–down-

stream impact due to the increasing land use by

vineyards and the adaptation of algal and bacterial

communities to the pollution gradient. CLPPs gave a

contrasted bioindication because some parameters

(most of the tested extracellular enzymes activities)

did not detect a pollution gradient. Such CLPPs, CLFPs

and PICT methods applied to biofilm could constitute

the basis for a relevant in situ assessment both for

chemical effects and aquatic ecosystem resilience.

Keywords Biofilms � River � Biological indication �
Pollution � Community level physiological profile �
Finger prints � Pollution-induced community

tolerance
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Introduction

In setting objectives for achieving a ‘good ecological

status’ for aquatic systems, the European Water

Framework Directive (WFD 2000/60/EC) has raised

numerous scientific questions: What is a ‘good

ecological status’? How can we improve the chemical

and biological quality of aquatic environments?

Some authors doubt that these objectives can be

reached for priority substances or persistent organic

pollutants (Fuerhacker, 2009). This aim requires in

particular being able to identify causal relationships

between contaminants and biological effects: a dif-

ficult task in situ, because of multiple co-occurring

pollutants and confounding factors, etc. Bioindicators

supporting French and European legislation (inverte-

brates, fishes macrophytes and diatoms) have been

defined to characterise trophic pressure: the macro-

phytes biological index for rivers (Haury et al., 2006),

the biological diatom index (BDI) (Lenoir and Coste,

1996) and the standardised global biological index

(AFNOR NF T 90 350, 2004). These three standard-

ised indicators are used to evaluate water quality in

France. However, much research work is in progress

to design or propose new bioindicators appropriate

for toxic substances or newly emerging contaminants

like drugs and hormones, to allow early warning of

such pollution.

In low-order streams (Strahler order below 3 or 4)

draining rural watersheds, domestic and agricultural

discharges often result in eutrophication (N and P

inputs) and toxic contamination through point or

diffuse pollution (e.g. pesticides). Because of the

generally low dilution in small rivers, such discharges

may temporarily or permanently impair biodiversity

and dynamics in aquatic ecosystems. Intensive agri-

cultural areas that are generally pesticide-dependent

generate water pollution due to transfer of organic or

mineral pesticide residues through spray-drift, run-off

and leaching (Landry et al., 2004; Vu et al., 2006).

Their ecological effects in aquatic ecosystems are

broad-ranging owing to the variety of substances

present (herbicides, fungicides, insecticides, etc.)

(DeLorenzo et al., 2001).

In small aquatic systems, trophic webs are generally

reduced and most microorganisms live on submerged

substrates such as biofilms (periphyton). These bio-

films are complex assemblies of microbial communi-

ties embedded in a polysaccharide and protein matrix.

In such environments, living organisms, both prokary-

otic (bacteria) and eukaryotic (mostly microalgae, but

also fungi), interact strongly (Rier & Stevenson, 2002;

Barranguet et al., 2003) and are responsible for most of

the energy input through primary production and

nutrient cycling (Battin et al., 2003a, b). They play a

marked ecological role in biochemical processes such

as organic matter degradation (Romani et al., 2004) or

nitrogen biotransformation (Teissier & Torre, 2002).

The ability of biofilms to reveal the effect of

pollutants has been the subject of research for some

years (Admiraal et al., 1999; Sabater, 2000). As

reviewed by Sabater et al. (2007), there is a variety of

current methods to detect and assess the impact of

pesticides on functional and structural targets, and

periphyton is considered as an early warning system

for contamination detection. Benthic algae have been

the subject of a great deal of work in this area, based

on taxonomy (e.g. diatoms: Stevenson & Pan, 1999;

Gold et al., 2003; Morin et al., 2007), algal pigments

or their photosynthetic capacity (Dorigo et al., 2007;

Schmitt-Jansen & Altenburger, 2008; Villeneuve,

2008). Conversely, little work has been published on

periphytic bacterial communities (Lyautey et al.,

2003; Pesce et al., 2006, 2008; Dorigo et al., 2007,

2009). The ability of microbenthic communities to

adapt to pollutants (short generation time, high

taxonomic and functional diversity) has produced

the concept of pollution-induced community toler-

ance (PICT; Blanck et al., 1988). PICT is based on

the principle that an ecosystem in contact with a

toxicant results in changes at the community level

due to various toxicant-induced phenomena. These

latter include individual acclimation, physiological or

genetic adaptation, and loss of sensitive species.

Overall, this adaptation results in a lowered sensitiv-

ity to this contaminant and higher effective concen-

tration (ECx) values. This approach has already been

successfully applied to evaluating the tolerance of

algal communities to pesticides (Dorigo et al., 2004;

Bérard et al., 2003) and of bacterial communities to

metals (Boivin et al., 2005), demonstrating upstream–

downstream gradients in a wine-growing drainage

basin (Dorigo et al., 2007, Pesce et al., 2010) and

differentiating between chronic and acute effects

(Tlili et al., 2008). Such methods, associated with

molecular tools for biodiversity studies, have lent new

perspectives to bioindication based on microbial com-

munities. These methods allow a better understanding
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of ecological responses of rivers, as global change

effects are often confused because of the complexity

of interactions among anthropic drivers acting on a

mosaic of natural hydrogeomorphological and cli-

matic settings. With this aim, the work reported here

sought to provide new insight into the ecological

significance of benthic microbial communities (bio-

films), and discuss their bioindication potential for

water quality and land use. We report here on 4 years

of research performed on the French Ardières-Mor-

cille experimental watershed (AMEW) (part of the

Rhône Basin long-term ecological research watershed

http://www.graie.org/zabr/index.tm). Several chemi-

cal and biological surveys were carried out to give a

comprehensive overview of the microbial dynamics in

play along this impacted river and to provide tools

for assessing the effects of intense agriculture (as a

particular element of global change) on freshwater

ecological services.

Materials and methods

Field site and sampling

The Morcille River is located in the Beaujolais wine-

growing area of eastern France (46.150�N, 4.600�E).

Its watershed consists of three nested sub-watersheds

(Fig. 1), defined by three sampling stations: St Joseph,

Versauds and St Ennemond (upstream to down-

stream). In this region, which is characterised by an

intensive wine-producing activity (vineyards occupy

79% of the catchment area), the routine application of

pesticides to the vineyards generates a pesticide

contamination gradient from the upstream section of

the river down to its mouth (Collectif, 2008).

Most of the samples analysed and discussed here

were taken in 2007 except for CLLP measurements

(2009). Other surveys with some of these parameters

and with specific objectives were performed between

2006 and 2009 (cf. Dorigo et al., 2007, 2009; Tlili

et al., 2008; Rabiet et al., 2008; Pesce et al., 2009a, b,

2010; Villeneuve et al., 2010).

Physical characteristics and land use

General characteristics of the soils, slopes, crops and

climate were acquired through various sources such

as the 1: 25,000 topographical map of IGN (French

Institute of Geography), a digitized map of the agricul-

tural field boundaries, soil maps, local measurements

of soil characteristics, rainfall and water flow and

field identification of the main surface water path-

ways from the plots to the stream, especially the

numerous ditches originally dug to limit erosion.

Complementary inquiries among the farmers with the

support of agricultural advisers (Chambre d’Agricul-

ture du Rhône) were compiled to make an inventory

of the commonly used pesticides and periods of

application.

Chemistry

Chemical variables were regularly analysed in the

course of annual surveys. The data presented here are

those from 2007 and are typical of the water chemical

quality of the river Morcille (n = 33 for pesticides,

n = 33 for metals and n = 45 for nutrients).

Nutrients

DOC, NO2
-, NO3

-, NH4
?, PO4

3-, conductivity and

pH were analysed using French standard operating

procedures and protocols (Association Française de

Normalisation, AFNOR).

Sub watershed
« St Joseph »
6.7% // 0.2 // 0.05

Sub watershed
« Versauds »
51.6% // 33.4 // 0.7

Sub watershed
« St Ennemond »
79% // 97.1 //6.9

Fig. 1 GIS of Morcille watershed and its three sub-basins with

the main land uses. Data indicate, respectively: vineyard area

as % of sub-basin surface//length of ditches connected to the

river (km)//surface area of housing (ha)
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Pesticides

Using standardised protocols, the eight most fre-

quently found pesticides and some of their degrada-

tion products were analysed in the water samples by

ESI–LC–MS/MS (API 4000, Applied Biosystems) at

the Water Chemistry Laboratory in Cemagref (Lyon).

The herbicide diuron together with two of its

breakdown products (DCPMU and 3,4-DCA) and

fungicides azoxystrobin, carbendazim, tebuconazole,

procymidone and dimetomorph were analysed and

quantified. The quantification thresholds of the method

ranged between 0.02 and 0.08 lg/l according to the

compound analysed.

Metals

Cu and As were analysed by filtration on PVDF

membrane (0.2 lm), and then acidification with

HNO3 SUPRAPUR 0.5%. The analyses were per-

formed by ICP-MS (THERMO ELECTRON X7

Series 2) to meet the standard NF EN ISO 17294-2.

The quantification threshold was 0.05 lg/l for both

compounds.

Biological variables

Biofilms were generally sampled on non-embedded

stones (diameter 1–4 cm) in the river bottom, but

artificial substrata in the form of glass discs immersed

in the river Morcille for 8 weeks were also used for

PCR–DGGE and pigment analysis. Sample triplicates

were made and several microbial variables were

measured to describe the biological and functional

quality of the periphyton and its responses to changes

in the chemical quality of the river water. All the

measurements were made on periphyton suspensions

after scraping and dilution in 0.2 lm filtered river

water.

Biomass

Periphytic biomass was evaluated by calculating ash-

free dry weight (AFDW). Suspensions (2 ml) of

biofilm replicates were filtered through individual,

previously dried, 25 mm CF/C Whatman glass fibre

filters (pore size 1.2 lm). Each filter was dried for

24 h at 105�C and weighed to calculate dry matter.

The filters were then burned to ash at 480�C

(Nabertherm P320) for 1 h and weighed again. The

AFDW was calculated by subtracting the mineral

matter from the total dry matter. Results were

expressed in g m-2.

Community level finger printing: pigment analysis

For each biofilm sample, one glass disc was placed in

a centrifuge tube (Corning) containing 4 ml of

methanol/0.5 M ammonium acetate (98/2 v/v) solu-

tion and sonicated by means of a 4 mm probe for

1 min at 180 W and at 50% activity (Vibracell,

Bioblock Scientific 375W). The tubes were then

centrifuged for 6 min at 69g and 0�C. The superna-

tant was collected and filtered through a 0.2 lm filter

syringe (Cameo 3N-syringe nylon filter; Micron

Separation Inc.); 100 ll of this extract was injected

to determine the lipophilic pigment composition by

high pressure liquid chromatography. Pigments were

separated on a 4.6 9 250 mm column (Waters

Spherisorb ODS5 25 lm) and identified from reten-

tion time and absorption spectrum using DAD

according to SCOR.

Chlorophyll a can be considered as a proxy of the

total periphyton biomass beside the AFDW. In this

case, biomasses are given as lg of chl a per cm2. A

quantitative method was used, obtained from a

calculation model based on published ratios for

monocultures (Dorigo et al., 2004). A table was

constructed, taking into account the relative abun-

dance of each pigment in a given sample (expressed

as the percentage of the sum of the area of all

pigments in a sample) (see Dorigo et al., 2007 for

detailed method and data). Furthermore, the total

number of pigments and the total number of degraded

pigments per sample were counted.

Community level finger printing: PCR–DGGE

Each biofilm sample was collected by scraping six

glass discs and was suspended in 2 ml of 0.2 lm

filtered river water. Biofilm suspensions were centri-

fuged at 14,0009g for 30 min and nucleic acid

extraction was performed on the biofilm pellets

(Dorigo et al., 2009). The integrity of the total

DNA was checked by agarose gel electrophoresis and

the nucleic acid concentration determined by 260 nm
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absorbance. PCR amplification of eukaryotic 18S

rRNA gene fragments, bacterial 16S rRNA gene

fragments and their DGGE analysis was performed

according to Tlili et al. (2008). After migration,

separated PCR products were stained for 45 min in

the dark with SYBRGold (molecular probes), visu-

alised on a UV transilluminator (Claravision), then

photographed and digitalized using Microsoft Photo

Editor software. Each band at a given height in each

lane was scored 1 or 0 (presence or absence). This

data set was used to perform correspondence analysis

(COA) using ADE-4 software. A similarity index

(Jaccard index) was also built using DGGE finger-

prints based on presence/absence data. A similarity

value of 1 indicates that two DGGE banding patterns

are identical, whereas a value of 0 indicates that there

are no common bands.

Community level physiological profile

Two variables were used to describe the community

level physiological profiles (CLPPs) based on organic

matter degradation: extracellular enzyme activities

and carbon mineralisation (substrate-induced respira-

tion method).

The three extracellular enzymes b-D-glucosidase

(bGlu), b-xylosidase (bXyl) involved in cellulose

degradation, and leucine aminopeptidase (Lap)

involved in amino acid degradation, were ana-

lysed as in Romani et al. (2004). Activities were

analysed by fluorimetry, using substrate analogues

(4-methyl-umbelliferyl-b-D-glucopyranoside (750 lM),

4-methyl-umbelliferyl-xylopyranoside (1,000 lM) and

L-leucine-4-methylcoumarinyl-7-amide HCl (1,000 lM),

respectively) to predetermine saturation curves and for

experimental measurements. For all enzyme assays

6 ml of substrate solution was added to triplicate

biofilm samples (non-disrupted biofilm in place on

stone) and formaldehyde-killed control samples incu-

bated for 30 min with formol 40% before assay.

Incubation was performed at 20�C for 20 min under

continuous shaking in the dark. Substrate blanks were

also prepared with filter-sterilised stream water. The

reaction was stopped in boiling water and each tube

was then centrifuged for 10 min at 5,0009g. The

fluorescent products released by enzyme activities

were measured after adding 0.05 M glycine buffer pH

10.4, using a microplate reader (SAFIRE, TECAN

Group Ltd, Switzerland) with excitation and emission

wavelengths of 363 and 441 nm, respectively, for

MethylUmbelliFeryl (MUF) and with 343 nm (exci-

tation) and 436 nm (emission) for MethylCoumarine-

Acid (MCA). Quantification was achieved using a

standard solution of MUF and MCA. The intensity of

fluorescence of the blanks was subtracted from all

samples to correct for non-enzymatic hydrolysis.

Activity in formaldehyde-killed controls was sub-

tracted to correct for abiotic activity. Results were

expressed in nmol of hydrolysed compound per hour

and per cm2 surface area.

Basal (BR) and substrate-induced respiration (SIR)

were assessed using the MicroRespTM system of

Campbell et al. (2003), consisting of a 96-deep-wells

microplate (Nunc 278012) housing periphyton sus-

pension and aqueous carbon sources, sealed individually

to a colorimetric CO2-trap microplate. Mineralisation

of 11 carbon sources was tested (glucose, fructose,

sucrose, ribose, galactose, maltose, arginine, glycine,

lysine, glutamic acid and citric acid). The carbon stock

solutions were prepared at 120 mg/ml and adjusted to

river pH (7) to avoid any substrate–pH effects on

microbial communities and minimise chemical arte-

facts due to carbonate-derived CO2. Colorimetric CO2

traps were prepared in 96 microplate wells. The

indicator dye with the gel detector plate consisted of

cresol red dye (12.5 ppm), potassium chloride

(150 mM) and sodium bicarbonate (2.5 mM) set in a

1% gel of noble agar (150 ml per well). Periphyton

suspension (500 ll) was added to the 96-deep-well

plate after 30 ll of each C source had been dispensed

(four wells per substrate = SIR plus four water per

plate = BR). Each deep-well microplate was sealed to

the CO2-trap microplate with a silicone seal and

incubated in the dark at 25�C. CO2-trap absorbance

was measured at 570 nm (Biotek Synergy HT spec-

trophotometer) immediately prior to sealing to the soil

deep-well plate, and after 15 h incubation. A calibra-

tion curve of absorbance against headspace equilib-

rium CO2 concentration (measured on a gas

chromatograph) was fitted to a regression model.

Organic pesticide biodegradation

The ability of aquatic microbial communities to

mineralise diuron was determined by radiorespirom-

etry as described by Pesce et al. (2009a). Samples

were treated with 1.45 kBq of 14C uniformly (ring)-

labelled diuron [specific activity 567 MBq/mmol;
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99% radiochemical purity (Sigma-Aldrich)]. An epili-

thon suspension was prepared with the collected stones

using filtered river water. Final concentration was

adjusted to approximately 5 cm2 of stone biofilm per

millilitre of suspension and 50 ml was used for each

sample. Epilithon samples were supplemented with

0.5 lg of diuron to reach a final concentration of

10 lg per litre of river water. They were processed in

triplicate and incubated under artificial light (13 h

photoperiod) at 20�C for 16 weeks; 14CO2 resulting

from the mineralisation of 14C-diuron was trapped in

5 ml of 0.2 M NaOH solution and analysed by liquid

scintillation counting using ACS II (Amersham)

scintillation fluid.

Tolerance assessment

Short-term laboratory experiments were performed to

assess the natural tolerance of the photoautotrophic

communities to the main toxicants found in the river,

namely Cu and diuron. The PICT concept makes the

assumption that communities exposed to contami-

nants become tolerant to these contaminants by

adaptation or species changes (Blanck et al., 1988;

Bérard et al., 2002). During laboratory toxicity

assays, exposed communities will be characterised

by higher EC50 values than reference communities

with respect to the toxicant tested. The effects of

contaminants on periphyton were assessed using 14C

photosynthetic assimilation as the endpoint (Guasch

& Sabater, 1998). A stock solution containing

100 lM diuron (MW 233 g/mole) (Sigma high grade

standard 99.5%) was prepared in water and stored at

-20�C prior to use. A semi-logarithmic series of

concentrations was freshly prepared by serial dilution

of the stock solution in 0.2 lm filtered river water.

Final test concentrations ranged from 0 to 10 lM of

diuron (one blank and nine increasing concentrations,

i.e. from 0 to 2.3 mg/l). For copper bioassays, final

concentrations in the test vessels ranged from 0 to

100 lM (five blanks and nine increasing concentra-

tions, i.e. from 0 to 6.3 mg Cu), starting from a stock

solution of 1,000 lM Cu (CuSO4, Merck high purity

grade). The measurements of photosynthesis activity

by 14C incorporation were made as described in

Dorigo et al. (2007). Data were fitted to a logistic

equation using the least squares method, and used to

plot a dose–response curve and determine photosyn-

thetic EC50 values for each biofilm and period.

Results

Description of land uses

Description of land uses is summarised in a geo-

graphic information system (GIS) (Fig. 1, Gouy,

unpublished data). The three sampling points are

associated with a specific sub-watershed, with vine-

yards occupying an increasing percentage of the

catchment area along the upstream to downstream

gradient (from ca. 7% to nearly 80%). Different land

use indicators allowed a better characterisation of the

landscape features involved in the formation of

pollution flows (Collectif, 2008). In these, allowance

was made for drainage channels (sum total of

drainage ditches collecting run-off water, helping

the rapid transfer of pesticides from treated plots to

waterways), and the building surface areas measuring

the potential upstream/downstream increase in domes-

tic pressure. Hence, these two indicators could help to

understand the changes in chemical quality of the

river Morcille, as they indicate a level of anthropo-

genic pressure.

Water chemistry

A fairly strong upstream/downstream increase (Fig. 2)

was significant for most of the variables (DOC, PO4,

conductivity), very likely indicating domestic waste-

water inputs. Median values of DOC, PO4 and

conductivity increased by about 125, 300 and 150%,

respectively, from upstream to downstream. All the

chemical parameters were significantly different

between sites (ANOVA 1; P [ 0.001), except for pH

and nitrates (ANOVA 1; P = 0.569 and 0.106,

respectively). However, the chemical quality of the

upstream water (St Joseph) was more stable, and the

variability more marked at St Ennemond. Overall

the water quality was in line with French standards of

good chemical status for the nutrients (DCE, 2005).

Copper and arsenic concentrations increased grad-

ually from upstream to downstream, irrespective of

season (Fig. 3, yearly data), with maxima also

strongly increasing (more than 16 lg/l for Cu and

more than 40 lg/l for As). The annual median values

(out of 33 analyses) rose, respectively, between

St Joseph and St Ennemond, six-fold for Cu and

five-fold for As. The French water quality standards

specify ‘probable no-effect concentrations’ (PNEC)
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in freshwater for these two metals of 1.6 and 4.4 lg/l,

indicating a good quality upstream and a poorer

quality (given the hardness) at St Ennemond, with a

potential toxic effect.

On average some 20 different organic pesticides

were found in water, both at Versauds and St

Ennemond (Collectif, 2008). However, only the

products most frequently used in the drainage basin

and found in the water were taken into consideration

here (Rabiet et al., 2008, 2010). They were grouped

into two activity families (herbicides: diuron and

its breakdown products DCPMU and DCA; fungicides:

azoxystrobin, carbendazim, tebuconazole, procymidone

and dimetomorph). St Joseph was relatively free of

contamination: no substance was found in winter,

while diuron was found only three times and

fungicides twice in 22 summer samples (Table 1).

Versauds and St Ennemond showed a marked occur-

rence of both herbicide and fungicide (86–100%).

Biomass

Periphytic biomasses were not different between sites

(n = 12; P [ 0.05) and between seasons (Fig. 4) and

kept a mean value of 0.8 mg AFDW cm-2.
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Fig. 2 Boxplot of water

chemistry from upstream to

downstream in the river

Morcille (date 2007;

n = 44 for each

parameters). Boxplots

indicate mean value, first

and third quartile, mini and

maxi. J: St Joseph; V:

Versauds; E: St Ennemond

129Reprinted from the journal

Hydrobiologia (2010) 657:123–141

123



Community level finger printing

The microbial community was structured along the

upstream–downstream gradient (Fig. 5). For the pro-

karyotic community, the first two axes of each

correspondence analysis accounted globally for 88%

of the variability in spring and for 87.7% in winter.

For the eukaryotic community, the first two axes of

each correspondence analysis accounted for 96 and

67% of the variability in spring and in winter,

respectively. For both communities, in spring (Fig. 5,

left panel) the first axis separates the pristine St

Joseph from Versauds and St Ennemond, and the

second axis separates these two last stations. In

winter for the eukaryotic community (Fig. 5b, right

panel) St Joseph and Versauds are very close to each

other and separated from St Ennemond by the first

axis. In winter, there was a very high dispersion in the

eukaryotic diversity between the three plates from the

St Ennemond sampling area.

The correspondence analysis based on the relative

percentage of the pigments detected in all sampling

sites in winter and spring (see Dorigo et al., 2007),

depicts the adaptation of the microalgal community

pigment structure (Fig. 6). The projection of the

plane defined by the first two axes indicates a clear

separation between spring and winter samples. The

second axis allowed the differentiation in spring of

the pristine St Joseph area from the other two, and in

winter the separation of the St Ennemond area from

Versauds and St Joseph.
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Fig. 3 Boxplot of the

concentrations of the main

chemicals in the river

Morcille (date 2007;

n = 33). H: herbicide;

F: fungicide—J: St Joseph;

V: Versauds;

E: St Ennemond. Boxplots

indicate mean value, first

and third quartile, mini and

maxi

Table 1 Occurrence of pesticides during 2007 survey: A/B:

A: presence (with analytical quantification); B: number of

analyses

St Joseph Versauds St Ennemond

Winter H: 0/11 F: 0/11 H: 13/14 F:

13/14

H:11/11 F:

10/11

Summer H: 3/22 F:2/22 H: 21/21 F:

18/21

H: 22/22 F

19/22

H herbicides, F fungicides
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Fig. 4 Periphytic biomass on the three study sites. Spring/
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Community level physiological profiles

Extracellular enzyme activities

Extracellular enzyme activities of the river Morcille

biofilms were analysed using a two-way ANOVA to

test for spatial effect (upstream to downstream),

temporal effect, and their interaction (all data were

logarithmically transformed to stabilize the variance

and when significant differences were detected by

using Scheffé post hoc comparisons were used). No

clear spatial or temporal pattern was found (Fig. 7).

Between-site differences were generally not signifi-

cant, except for Lap, which significantly but slightly

increased from upstream to downstream in June.

Temporal effect was significant for bXyl and Lap

activities (ANOVA2 P = 0.0115 and P = 0.0006,

respectively), with June values higher than May

values (Scheffé P = 0.0135 and P = 0.0006, respec-

tively). The only observed pattern was the activity

level of the enzymes, with Lap [ bGlu [ bXyl.

Aerobic respiration

Aerobic respiration was described by MicroResp for

bacteria and fungi (heterotrophic microorganisms) as

well as the capacity to mineralise different carbon

sources. A spatial pattern appears with a marked

lowering (mean value: 40%) in the respiration at

St Ennemond (Fig. 8), whatever the carbon source

(e.g. carbohydrate, amino acids, acids). Finally,

substrate-induced respiration is only weakly greater

than biofilm respiration on natural DOC (0–15%),

whatever the sites.
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Diuron mineralisation potential

Diuron mineralisation potential increased signifi-

cantly from the upstream to the downstream sampling

stations (Fig. 8). After a short lag phase of about

10 days, downstream samples exhibited a high bio-

degradation potential. Diuron mineralisation was then

fast (the mean mineralisation rate was about 1.56%

per day) and reached a plateau (sixth week) with a

mean value of 25% of the initially applied diuron.

Conversely, diuron mineralisation obtained with the

upstream epilithon was very limited (about 3.3%) and

remained close to that observed in autoclaved sam-

ples (\4%, data not shown).

Tolerance of periphyton (Table 2)

Photosynthesis EC50 values increased from upstream

to downstream in both spring and winter, with values

ranging from 19.71 to 42.23 and from 9.17 to

50.66 lg l-1 of diuron, respectively. Except for St

Ennemond, EC50 values were higher in summer than

in winter. At each season, the lowest EC50 values

(thus lowest tolerance to diuron) were recorded at the

upstream area of St Joseph. Copper effects had the

same pattern and tolerance of biofilm also increased

from upstream to downstream.

Discussion

Relationships between land use and water quality

The characterisation of land use in the Morcille

drainage basin identified the possible main causes of

the observed nature and dynamics of water quality.

One cause is the preponderant use of land for wine

growing, but with a very small presence at the first

sub-basin (St Joseph). The identification of drainage

ditches (respectively, 0.2, 33.4 and 97.1 km for the

St Joseph, Versauds and St Ennemond sub-basins)

shows the importance of run-off collection (Laga-

cherie et al., 2006) and its contribution to the

pollutant flow entering the river Morcille. Indeed,

the land is characterised by a sandy, modified granite

shallow soil, easily eroded and poor in organic
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material. Rainfall intensities as well as sloping relief

favour rapid transfer by run-off. This sensitivity to

rainfall effects results in high MES levels when the

river is in flood (up to 1 g/l, Rabiet et al., 2008). In

general, the rainfall pattern is of the ‘continental’

type, with frequent sudden rainstorms in spring and

summer. There can be as many as 3–4 river floods

during the summer (Rabiet et al., 2008). The drainage

ditches and domestic wastewater flow directly into

the river Morcille, shunting the wooded or grassy

riverbank areas, whose important role in water self-

purification is then limited at this site. This pattern of

land use explains the upstream/downstream gradient

in levels of both organic chemicals, metals (Cu and

As) and nutrients. The surface area covered by farm

buildings or dwellings is a good indicator of domestic

pressure; its gradual increase along the three sub-

basins (respectively, 0.05, 2.2 and 6.9 ha) probably

results in the level increase of some organic and

inorganic nutrients (PO4 in particular), whatever the

season.

These characteristics account for the flows of

pollutants into the Morcille, their gradient and their

seasonal pattern. The intensive use of pest-control

chemicals in vineyards [mostly herbicides (such as

diuron, isoproturon or diflufenicanil in early spring)

and fungicides (such as tebuconazol, linuron or

fenitrothion in spring and summer)] causes rising

downstream contamination of the waterway with both

organic residues and metals (essentially Cu and As

from vineyard treatment). This contamination persists

all year, but with a seasonal peak in the spring and part

of the summer (generally late March to early August).

Its variability is due to (i) differences in the use of

herbicides (mostly early in the growing season) and

fungicides (mostly in summer), with a predominance

of the herbicide diuron and (ii) the pattern of rainfall

and run-off, the intensity of which is an important

controlling factor in pollutant flow. At peaks of

flooding the concentrations of certain phytochemicals

can reach several lg/l, or even tens of lg/l (Rabiet

et al., 2008), thus profoundly modifying the condi-

tions of exposure of aquatic organisms. As an

example, the average concentration of diuron largely

exceeds the European environmental quality standard

(EQS) of 0.2 lg/l expressed as annual average.

Periphyton biomass, structure and diversity

as bioindicators

Global indicators, such as periphytic ash-free dry

mass or chlorophyll a, have been and are still

frequently used to characterise the status of a biofilm

or a plankton community in response to environmen-

tal changes (Rosemond et al., 2000). This global

approach does not always respond clearly to levels of
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Table 2 Sensitivity of periphyton to copper and diuron (expressed as EC50 measured as primary productivity for periphyton samples

from the three sampling sites on the river Morcille)

St Joseph Versauds St Ennemond Chemicals

Survey 1 (winter) 9.7 ± 3.8 20 ± 6.6 47 ± 8.4 Diuron (lg/l-1)

Survey 2 (summer) 20 ± 6.5 38 ± 10.2 42 ± 15.8 Diuron (lg/l-1)

Survey 3 (summer) 4.53 ± 1.54 7.8 ± 2.2 – Diuron (lg/l-1)

Survey 4 (summer) 32 ± 7.5 160 ± 40 – Copper (lM)

Mean value ± SD (n = 3); –, non determined
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nitrogen- and phosphorus-containing nutrients (Bernhard

& Likens, 2004). This limitation is seen here for our

data on the river Morcille (Fig. 4). Given the intra-site

variability of periphytic biomass, and despite a

tendency towards a fall in periphyton biomass, no

clear-cut upstream/downstream spatial gradient is

discernable, in spite of the permanent increase in

PO4 levels at Versauds and St Ennemond. Three

hypotheses can be advanced: (i) an effect of reduced

light (Villeneuve et al., 2010) due to canopy growth in

summer, (ii) physical constraints (biofilm abrasion)

due to the turbulences of water on small pebbles and

(iii) the presence of diuron (and its breakdown product

DCMU) and copper, both inhibitors of algal photo-

synthesis, which antagonise the growth stimulus

provided by PO4 (Guasch et al., 2007). These authors

showed that PO4 did not modify the inhibiting effect

of atrazine (at 100 lg/l) on the periphyton biomass,

and did not modify the tolerance of the biofilm to this

herbicide. The biomass (expressed in AFDM or

chlorophyll) does not therefore seem to be a very

reliable indicator of the chemical quality of the

ecosystem, especially as this depends also on hydrau-

lic and light conditions (Battin et al., 2003a, b;

Villeneuve, 2008). Accordingly, some authors have

proposed growth rate rather than biomass as an

indicator of eutrophication (Othoniel, 2007).

Most works on biofilms take into account algal

communities and their taxonomic diversity. Because

of their physiological characteristics, photoautotro-

phic biofilm communities (microalgae and cyanobac-

teria) and the taxa that compose them can be good

indicators of environmental changes. They also

represent a potential target for herbicide residues in

the aquatic ecosystems. Herbicides acting on the

photosynthetic system (such as Photosystem II) have

already been identified as a cause of impairment of

these communities (Guasch et al., 2003; Dorigo et al.,

2004, 2007).

Taxonomic approaches, especially those based on

diatoms or on microalgae, are regularly used. The

predominance of diatoms in periphyton is a very

common situation in lotic systems (Stevenson & Pan,

1999) and allows the design of a specific index. The

BDI was originally designed to assess alterations in

trophic status (Lenoir & Coste, 1996). For the river

Morcille, as shown by Morin et al. (2010), the BDI

values along the gradient for 1-month-old communi-

ties indicated a trophic pollution and changes in water

quality classes, as defined by the European Water

Framework Directive and with a good/moderate

boundary: BDI = 14, for this national type and

stream order between St Joseph (BDI = 14.7 ± 0.1,

good ecological quality), Versauds (BDI = 13.8 ±

0.2, good to moderate) and St Ennemond (BDI =

13.1 ± 0.1, moderate). Morin et al. (2010) identified

larger proportions of pollution-sensitive species at St

Joseph (25.4%) than at Les Versauds (18.2%) or St

Ennemond (15.9%). In addition to these approaches

based on global indices, some of the species that

preferentially developed at Les Versauds (especially

in May) and St Ennemond have already been recorded

under herbicide concentrations [5 lg/l (Planothidi-

um lanceolatum, Planothidium frequentissimum and

Cocconeis placentula); Pérès et al., 1996; S. Morin,

pers. comm.). Only a few studies have addressed

diatom sensitivity or tolerance to pesticides, but this

work in favour of diatom use for the assessment of

pesticide contamination has yielded important find-

ings. Pérès et al. (1996) and Schmitt-Jansen &

Altenburger (2005) found a remarkable decrease in

diatom numbers under atrazine and isoproturon con-

tamination. The shift in diatom community diversity

observed in the river Morcille was concomitant with

increased diuron-induced tolerance (see below),

revealing that pesticide contamination was probably

one of the major driving factors, even if the trophic

level bioindicator BDI expressed the increasing OM

and nutrient gradient in the Morcille (Morin et al.,

2010).

Community level finger printings (CLFPs) are now

widely used to assess the diversity of microbial

communities and their responses to environmental

changes. Fingerprinting techniques based on PCR–

DGGE or on pigment abundances have often been used

to describe the effect of pollutants (Dorigo et al., 2004;

Boivin et al., 2007; Pesce et al., 2009b) or spatio-

temporal changes (Lyautey et al., 2005), whatever the

biases of these methods (see Dorigo et al., 2007;

Marzorati et al., 2008). To obtain ecologically relevant

information, fingerprint data are often transformed by

statistical treatments such as principal component

analysis or other multivariate statistical treatment, but

some other straightforward processing methods can be

used to obtain a relevant ecological interpretation of

fingerprinting patterns (Marzorati et al., 2008). For the

river Morcille, correspondence analysis performed on

prokaryote and eukaryote fingerprints and on pigment
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analysis revealed a structured pattern depending on the

season (Dorigo et al., 2007, 2009).

More specifically, correspondence analysis, rela-

tive to pigment analysis, separated the spring from

the winter communities, and communities inhabiting

less contaminated areas from those in more contam-

inated ones (Fig. 6). However, these differences were

not linear because of in situ confounding factors (see

above). DGGE analyses also allowed a differentiation

of prokaryotic and eukaryotic communities, separat-

ing those inhabiting less contaminated sampling areas

from more contaminated ones (Fig. 5). Thus, the two

methods used to assess the structure of these com-

munities (DGGE or HPLC) prove to be useful

bioindicators of the ecological status of biofilms,

allowing seasonal and spatial differentiations. In

spring, the St Joseph reference area was differentiated

from the two other sampling areas (i) by the structure

of their prokaryotic, eukaryotic and photoautotrophic

communities and (ii) by its level of pollution, which

was significantly reduced in comparison with Versa-

uds and St Ennemond (Fig. 3). In the same way, and

only in winter, the St Joseph and Versauds sampling

areas were more similar to each other than to St

Ennemond, by both their level of pollution and the

structure of their microbial communities. In addition,

microcosm studies conducted elsewhere have also

shown that environmentally realistic diuron exposure

levels can affect aquatic bacterial diversity (Pesce

et al., 2006, 2008; Ricart et al., 2009) and it appears

that chronic long-term exposure (1 lg/l) can lead to

changes in bacterial community structure, more than

acute (14 lg/l) and short-term exposure, suggesting a

progressive adaptation in microbial communities

(Tlili et al., 2008).

Calculating an index such as Jaccard’s similarity

index yields additional, quantitative indications con-

cerning the differentiation of sites which are therefore

more easily exploitable as bioindicators. For exam-

ple, summer monitoring of the diversity of biofilms

grown on artificial supports has shown the low degree

of similarity among communities of bacteria (16S) or

algae (18S) in the three study sites and according to

the season (Table 3) (Montuelle, unpublished data).

This index can thus be considered as an indicator of

disturbance, by quantifying the intensity of a change

in composition of a microbenthic community.

However, these structural changes related to

environmental variables or to the toxic contamination

present in the river Morcille should be associated

with function changes to assess the disturbance of

ecological (biochemical) processes and identify the

relationship between structure and function.

Functional changes along the pollution gradient

Several functional variables were active on the river

Morcille for both autotrophic communities (photosyn-

thesis) and heterotrophic communities (biodegradation).

Photosynthesis and PICT approach

To verify that structural changes were related to

pesticide contamination of the river Morcille, we

applied the PICT concept proposed by Blanck et al.

(1988) and used since by several authors (see Bérard

et al. 2002, for a review). The PICT concept states that

the tolerance of a community to a toxicant is related to

the previous exposure of that community to the

toxicant or to another toxicant so long as both belong

to the same toxicant family (same chemical composi-

tion and/or similar mode of action). In our studies,

diuron and Cu were taken, respectively, as models of

organic and inorganic pesticides inhibiting photosyn-

thetic organisms in biofilms. The most diuron- and

Cu-sensitive communities were found in the upstream

area at St Joseph, in both winter and spring. On the

other hand, the most diuron-tolerant communities were

found both in spring and in winter at the St Ennemond

sampling area, which was also the most severely

contaminated one. These results fit well with the

predictions of the PICT concept and suggest that

pesticide concentrations constitute a selective pressure

on the photoautotrophic communities of the Morcille

biofilms, resulting in changes in species composition

Table 3 Eukaryotes and prokaryotes similarity index (Jaccard

Index) between three sampling sites during a summer survey

St

Joseph

Versauds St

Ennemond

16 S rRNA St Joseph 100 23 15

Versauds 100 26.7

St Ennemond 100

18S rRNA St Joseph 100 13.9 23.4

Versauds 100 64.7

St Ennemond 100
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and in pesticide tolerance. However, nutrients

increased concomitantly with the in situ pesticide

concentrations (Collectif, 2008), and they could also

have driven structural and functional changes in

eukaryotic and photoautotrophic communities (deNi-

cola et al., 2006). In such a specific situation, the

application of the PICT concept enables us to attribute

observed changes to pesticides and not directly to

nutrients. In the case of multiple toxic contaminations

(diuron and copper), a co-tolerance effect may occur,

with a risk of error in the estimation of causality of the

effect observed in the biofilms. No co-tolerance

between copper and a PSII-inhibiting herbicide (Irgarol)

was observed on phytoplankton in Lake Leman (Bérard,

unpublished data).

It should also be emphasised that P content could

also modify the tolerance of biofilm to Cu (Guasch

et al., 2004): an increase in P could induce an

increase in the tolerance to copper and care must be

taken to sample sites where P and Cu increase

together (as in the Morcille River). However, a recent

field survey performed in the river Morcille con-

firmed that despite the possible influence of identified

co-varying variables (such as nitrates, conductivity

and temperature), the main factor explaining spatio-

temporal variation in diuron sensitivity within pho-

toautotrophic biofilm communities was the mean in

situ diuron exposure level during their colonisation

period (Pesce et al., 2010).

Biodegradation of pesticides

The increase in tolerance is also accompanied by a

greater capacity for the biodegradation of toxicants

by biofilms. This type of adaptative response by

heterotrophic communities to exposure to toxicants

has not been much studied in aquatic environments

(Toräng et al., 2003). In the river Morcille, an in situ

microbial adaptation to diuron mineralisation follow-

ing previous diuron exposure was clearly highlighted

in aquatic biofilm communities (Fig. 9). For down-

stream epilithon, a short lag phase was observed,

probably reflecting the time required by the diuron-

degrading populations to acclimatise to the experi-

mental conditions. Despite a non-negligible variation

between replicates, biofilm samples collected at the

downstream diuron-impacted station exhibited higher

mineralisation percentages than the samples collected

at the upstream station, thus evidencing an increasing

natural breakdown potential of diuron along the

contamination gradient (Pesce et al., 2009a). From a

functional point of view, this potential is quite

different from an estimation of the real in-field

biodegradation processes of pesticides in biofilms.

Given the short residence time of water in the river

Morcille and the diffuse input in the watershed, most

diuron residues are exported to the downstream rivers.

However, this bioassay offers interesting perspectives

for assessing the adaptation of heterotrophic microbial

communities following pollutant exposure.

Community level physiological profiles

Parallel to changes in diversity, the heterotrophic

degradation functions exerted by the biofilm also

adapted along the gradient. They also provide an

integrated response to overall modifications in chem-

ical composition, and can be considered as reflecting

the composition of the organic matter in the system

(Sinsabaugh et al., 2002; Romani et al., 2004). The

cellulases (e.g., glucosidase and xylosidase) that

break down plant fibres and peptidases are the key

enzymes involved, for example, in the leaf conver-

sion of polymeric compounds into smaller molecules

that can be assimilated by microorganisms (Sinsab-

augh et al., 2002). No general adaptation pattern was

detected in enzymes activity whether temporal or

spatial because of a large variability in activity (up to

75%), which prevented characterisation of the

increasing tendency of the mean activity values from

upstream to downstream as statistically significant.

0

10

20

30

40

50

60

0 2 4 6 8 10 12 14 16

Upstream 
Downstream 
Upstream (sterile)
Downstream (sterile)

Time (weeks)

14
C

O
2

(%
 o

f 
in

it
ia

l 14
C

)

Fig. 9 Biodegradation potential of 14C-diuron by periphyton

in the river Morcille (modified from Pesce et al., 2009a, b)

136 Reprinted from the journal

Hydrobiologia (2010) 657:123–141

123



If increasing concentration in DOC and nutrients

could explain such a tendency, many reasons can be

offered to explain the high variability. Microbial

extracellular enzymes and their activity respond to

many environmental variables that can vary rapidly,

such as temperature, dissolved oxygen, nycthemeral

cycle, microbial biomass and organic matter content

(Montuelle & Volat, 1998; Boshker & Cappenberg,

1998). Seasonal or temporal variations in extracellu-

lar enzymes activity are well documented (Chappel &

Goulder, 1994; Harbott & Grace, 2005), as well as

spatial variability (Romani & Sabater, 2000). As

expounded by Chrost (1990), the regulation system in

extracellular enzymes results from a balance between

directly available substrates (low molecular weight

molecules inhibit enzyme synthesis and expression),

and substrates that are not directly bioavailable but

are biodegradable (high molecular weight molecules

stimulate enzyme synthesis and activity). Finally,

toxicants such as pesticides or heavy metals could

have impaired extracellular activity (Lopez et al.,

2009; Hussain et al., 2009). On the river Morcille, it

is then plausible that these antagonistic factors, linked

to the chemistry of water, co-exist and account for the

variability of these activities. However, the observed

increase in LAP from upstream to downstream in

April and May could be a consequence of the

increasing housing in the watershed and its greater

discharge of protein-rich wastewater.

The degradation of carbon-containing substrates

by heterotrophic microbial communities is part of the

self-purifying process, in particular pathways that

produce CO2 (or CH4 in anaerobiosis), which is then

exported from the aqueous ecosystem into the

atmosphere. The study of the respiratory capacity of

microbial communities based on patterns of use of

carbon-containing substrates (SIR), has prompted the

development of kits such as Biolog� (Garland, 1996)

or MicroResp� (Campbell et al., 2003), which have

been used to characterise the status of a community

or as a bioindicator of the effect of toxicants (Rutgers

et al., 1998; Boivin et al., 2007). The application of

this last technique on the river Morcille showed a fall

in the overall mineralisation capacity (CO2 produc-

tion) of downstream biofilms (St Ennemond) (Fig. 8),

although DOC levels were higher. Two hypotheses

can be advanced: (i) the DOC is less biodegradable

downstream than upstream (unlikely, because some

hydrolysis activity tends to increase from upstream to

downstream) and (ii) the toxicants present modify the

expression of the enzymes involved in the minerali-

sation of the carbon compounds as shown for soil

microbial community (Hussain et al., 2009). Enhance-

ment of SIR is likely associated with the high

biodegradability level of the C source tested, more

important than the natural DOC in the Morcille River.

However, the observed lowering of biodegradation

capacity reduces the self-purification capacity of the

river.

Towards a microbial bioindication tool

The different research carried out on the LTER

Morcille River allowed the testing of several param-

eters describing the periphyton and its different

functional or structural responses to a specific land

use and to a contamination gradient. Putting into

practice periphytic microbial indicators to character-

ise the ecological state of aquatic environments has

progressed greatly during recent years. Their sensi-

tivity to pollution and their early response is now well

identified (Sabater et al., 2007). However, much

progress is needed to meet the indicator criteria

defined by Dale & Beyeler (2001).

Be easily measured; be sensitive to stresses on

the system; respond to stress in a predictable

manner; be anticipatory; predict changes that

can be averted by management actions; be

integrative; have a known response to distur-

bances, anthropogenic stresses and changes

over times; have a low variability in response.

It is not reasonable to assume that only one

biological indicator, whatever its integration level,

could be enough to capture the complexity of an

ecological system. Development of a multimetric

index is essential. It should be composed of metrics

for structure, diversity and functions (Eisman &

Montuelle, 1999) to reflect the multiple dimensions

of ecosystem services. In our work on the river

Morcille, the use of these three categories of ecosys-

tems response allowed us to take into account the

different functions assumed by microbial communi-

ties and to identify sensitive biological indicators for

ecosystem functions.

The complexity in the choice and in the identifi-

cation of relevant microbial indicators is a
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consequence of the action of environmental factors

that are likely to interfere with the toxicants actions

and then to limit the identification of univocal

causality relationships. For example, tolerance of

biofilm community to one stressor can be modified by

natural abiotic factors, such as light or flow speed

(Guasch & Sabater, 1998; Villeneuve, 2008), chem-

ical conditions favouring co-tolerance phenomena

(Schmitt-Jansen et al., 2008) or changing exposure to

toxicants (chronic or acute; Tlili et al., 2008). Biofilm

internal parameters, such initial community compo-

sition and species interactions, could also control the

biological response of biofilm microbial communities

to a contaminant (Guasch et al., 1998).

However, community level approaches are a

necessity, since single-species tests are not ecologi-

cally relevant. Specific methodology such as PICT

may then serve as a diagnostic tool in chemical hazard

assessment (McClellan et al., 2008). PICT methodol-

ogy provides information on the sensitivity of a

community to a toxicant, integrating in its response

changes in species diversity and cell physiology.

Applied to complex environmental contamination (in

the field or experimentally tested in ‘cosms’), the

PICT method allows reducing uncertainty on the

causes of an ecological impairment to be reduced.

However, care should be taken of the possibility of co-

tolerance to different substances (Schmitt et al., 2006).

The technique of dose–response bioassays used in

the PICT method allows a rather easy screening of

substances, even for emerging molecules such as

pharmaceuticals (Franz et al., 2008). The validity

domain of PICT methods could then be broadened to

the calculation of Environmental Quality Standards

(EQS) for the European Priority Substances to obtain

more relevant threshold characterisation for risk

assessment (McClellan et al., 2008).

New functional parameters suitable for PICT stud-

ies and for individualising the responses of autotrophic

and heterotrophic communities will strengthen the use

of PICT-based bioindicators (e.g. respiration, denitri-

fication and nitrification). However, not all metabolic

activities could be used to group CLPP and PICT (for

example, extracellular activities seemed to be worse in

situ bioindicators, in our case study), but research in

this field should continue.

Finally, the analysis of biofilm diversity by the

CLFP supplements the information given by the PICT

method allowing characterisation of the specific changes

of biofilm eukaryote and prokaryote communities exposed

to contaminants. Techniques such as DGGE finger-

printing used to assess the structure of eukaryotes and

eukaryote communities on the river Morcille have

appeared globally in good agreement with pigment

analysis and have discriminated the pollution gradient

(Dorigo et al., 2007, 2009). In the same way, more

classical taxonomic approaches have given relevant

insights into the effect of chemicals (Hill et al., 2000;

Morin et al., 2010). Other fingerprinting methods (e.g.

ARISA and t-RFLP) are also well adapted to such

analysis; more powerful molecular methods (sequenc-

ing) seem still to be excluded for the construction of

bioindication tools because they do not fit with the

criteria underlined by Dale & Beyeler (2001). How-

ever, it is likely that, in the future, microarray

(taxonomic and functional) techniques will give a

new insight into bioindication.

The coupling of PICT–CLPPs–CLFPs constitutes

a multimetric assessment tool and allows a thorough

assessment of biofilm response (function, diversity

and tolerance level) to contaminants. The comple-

mentarity of such methods allowed in situ character-

isation of the individual effects of pollutants in a

cocktail of contaminants in a vineyard-dominated

watershed. Such multimetric assessment tools give a

comprehensive overview of ecosystem impairments

and could be applied to different anthropogenic

pressures (urban, peri-urban and agricultural). In the

perspective of goals defined by the European WFD,

our next step will be the use of PICT–CLPPs–CLFPs

for studying community resilience and characterising

the trajectory of aquatic ecosystem restoration.
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Abstract The expected response of fluvial biofilms

to the environment and metal pollution prevailing

under different discharge conditions was investigated.

The relationship between inter-annual hydrological

variability and metal concentration in water and

sediments was explored in Mediterranean rivers

(Catalonia, NE Spain) affected by low but chronic

metal pollution, using monitoring data provided by

the Catalan Water Agency (ACA). During the period

investigated (2000–2006), metal pollution was char-

acterized by low water concentrations and high

concentrations in sediments. The most consistent

pattern was observed for sediment cadmium (Cd)

concentrations, showing a positive relationship with

annual discharge, reaching values of environmental

concern (above ecotoxicological benchmarks). A

different pattern was observed for Cu, Zn, and As

increasing with flow in some sites and decreasing in

others. While Cd seems to proceed from diffuse

sources being washed by surface runoff, Zn, Pb, and

As may proceed from either diffuse or point-sources

in the different river sites investigated. The relevance

of diffuse metal pollution in the area of study

indicates that polluted landfills runoff might be an

important source of metals causing repetitive pulses

of high metal concentration in the receiving water

courses. The experimental results presented demon-

strate that metal effects in fluvial biofilms may be

accumulative, increasing the toxicity after repetitive

pulse exposures. Since draughts and extreme rain

events are expected to increase at higher latitudes due

to global change, the sources of metal pollution, its

final concentration and potential effects on the fluvial

ecosystem may also change following the patterns

expected for human-impacted Mediterranean rivers.

Keywords Antioxidant enzyme activity �
Discharge � Fluvial biofilm � Metal � Toxicity �
Water scarcity

Introduction

Human activity is one of the major causes of elevated

concentrations of metals in fluvial ecosystems caus-

ing a great concern over potential toxicity and trophic

transfer. Metal concentrations are very variable in
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time and space depending on the source of pollution

(diffuse or point-source), the hydrological regime and

the processes affecting their transfer from the water

phase to other compartments. Furthermore, it is

expected that below average surface flow conditions,

will also change the fate and effects of metals at

ecosystem scales (Guasch et al., 2009b). Based on

recent modeling of the fate and transport of metals in

streams (Caruso et al., 2008), higher metal concen-

trations are predicted during low flow (mostly for

Zn). This tendency is common in mining areas where

metal inputs come from groundwater. In these cases,

metal concentration is lowest at highest discharges

due to dilution (Audry et al., 2004; Bambic et al.,

2006; Armitage et al., 2007). The influence of flow in

sites affected by low but chronic metal pollution (i.e.,

influenced by urban and agricultural activities) has

been poorly investigated (i.e., Brown & Peake, 2006).

While the differences in metal concentration between

the dry and rainy season described by Fianko et al.

(2007) were attributed to dilution, other studies report

no linkage between discharge and metal pollution

(Benson & Etesin, 2008).

The duration and frequency of increased metal

concentration episodes is of great relevance since

metal bioaccumulation and toxicity are strongly

influenced by the time and frequency of exposure

(Meylan et al., 2003). The expected linkages between

fluvial hydrology and metal exposure of fluvial

biofilm communities were addressed in Guasch

et al. (2009b). It was indicated that point-sources of

metal pollution might cause chronic and variable

metal exposure depending on flow conditions (of

lower concentration under high-flow conditions due

to dilution). On the other hand, diffuse sources of

metal pollution such as the urban runoff would cause

intermittent metal exposures directly linked with

rainfall episodes. It was also concluded that chronic

exposure would lead to community adaptation and a

decrease in sensitivity, whereas metal toxicity would

be maximum if a non-adapted community was

suddenly exposed to peak metal concentrations.

Community responses to intermittent metal exposures

were not directly addressed in this review article.

Reinert et al. (2002) indicate that the long-term

effects on non-target organisms of intermittent pesti-

cide exposure can be a function of the damage

sustained during exposure, the capacity of the organ-

isms to recover, and the duration of the recovery

period between pulses. Furthermore, sequential expo-

sure can lead to an increased or decreased effect

during each subsequent exposure, depending on the

mode of action of the toxicant, the resilience of the

biotic community, and its adaptation capacity

(Macinnis-Ng & Ralph, 2002; Hoang & Klaine,

2008). Results of previous studies (Serra et al., 2009),

demonstrated that Cu accumulation kinetics and tox-

icity differed among fluvial biofilms with different Cu-

exposure history. Biofilms that had been continuously

exposed to Cu, differed from those unexposed and also

from those exposed to short Cu-pulses in their species

composition (due to the replacement of sensitive algal

classes by tolerant ones) and also on their metal

content, several orders of magnitude higher. The non

pre-exposed and Cu-pulsed communities were more

sensitive to Cu than the chronically exposed commu-

nity showing a slight decrease in the photosynthetic

efficiency after the short exposure to higher Cu

concentration (Serra et al., 2009). In this study,

photosynthesis inhibition was slightly higher in the

Cu-pulsed than in the non pre-exposed community

indicating that the pulses may enhance Cu toxicity.

Several authors (Pinto et al., 2003; Torres et al.,

2008) have proposed the study of ‘‘signals of

distress’’ at molecular level as toxicity biomarkers.

Studies performed on algal cultures have already

shown the sensibility of several enzymatic biomark-

ers to the presence metals (Tripathi et al., 2006).

Antioxidant enzyme activities (AEA) such as super-

oxide dismutase (SOD), catalase (CAT), ascorbate

peroxidase (APX), and glutathione S-transferase

(GST) activity are of great importance in oxidative

stress to cope with free radicals that lead to several

disturbances (Geoffroy et al., 2004). Elevated Cu

levels induce oxidative stress by generating reactive

oxygen species (ROS), such as hydrogen peroxide,

superoxide radical, singlet oxygen, and hydroxyl

radical, via Haber–Weiss as well as Fenton reactions

that can oxidize proteins, lipids and nucleic acids.

This often leads to the cell structure being damaged

or even cell death (Tripathi & Gaur, 2004; Dewez

et al., 2005). AEA characterization may provide early

warning systems of detection of toxicity on auto-

trophic communities at lower exposure time and/or

dose than other classical endpoints such as photo-

synthesis or algal growth (Sabater et al., 2007).

The main objective of this article is to present the

expected response of the biota (fluvial biofilms) to the
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metal pollution prevailing under different discharge

conditions. In order to reach this objective the

following specific objectives were addressed:

1. To explore the relationship between inter-annual

hydrological variability and metal concentration

in water and sediments in Mediterranean water-

sheds (Catalonia, NE Spain) affected by low but

chronic metal pollution.

2. To present a specific example dealing with the

response of fluvial biofilms to repetitive Cu-

pulses using AEA as early warning systems of

toxicity detection.

3. To provide a conceptual framework about the

influence of temporal dynamics of metal expo-

sure on metal accumulation and toxicity in fluvial

biofilms.

In order to reach the first specific objective, moni-

toring data provided by the Catalan Water Agency

(ACA) were selected in order to cover a large

environmental gradient and temporal scale (from

2000 to 2006).

In an experimental study, changes in the defense

capacity of biofilms were used to evaluate the effects

of several pulses of Cu. This complemented a series

of investigations dealing with the significance of the

time of exposure on the fate and effects of Cu on

fluvial biofilms (Serra & Guasch, 2009; Serra et al.,

2009).

Materials and methods

Monitoring

Nine sites located in seven watersheds were included in

this study (Table 1). The physical and chemical

characterization including nutrient content, water

metal concentration, sediment metal concentration,

and flow was performed at each site. Furthermore, the

Catalan River basins were characterized according to

their typology and their impact degree. Since sediment

metal concentration was analyzed once a year, average

or integrated annual values of the rest of variable were

included for comparison. Temporal variability was

based on the inter-annual variability over 7 years

(2000–2006). Conductivity was determinate by elec-

trical conductivity (ISO 7888:1985), pH by continuous

instrument, dissolved oxygen by electrochemical

probe method (ISO 5814-1990). Ammonium by flow

analysis (continuous flow and flow injection analysis)

and spectrometric detection (ISO 11732:2005) and

phosphate was determinate by ammonium molybdate

spectrometric method (ISO 6878:2004). Metal con-

centration in water was analyzed by inductively

coupled plasma mass spectrometry (ICP-MS) and

metal concentration in sediments was determinate by

inductively coupled plasma atomic emission spectros-

copy (ICP-AS). Flow was obtained from the Catalan

network of gauging stations.

Statistical analysis

Non parametric correlation analysis (Spearman’s rho)

was carried out between the relative flow recorded at

each sampling station and the metal concentration in

water and sediment. The environmental variables

(physical, chemical and heavy metal concentration in

water and sediments) along the study period were

obtained from the Catalan Water Agency (ACA).

Some of the variables available were selected on the

basis of their relevance for the distribution and

abundance of the biofilm community. The variables

used were copper, lead, cadmium, arsenic, mercury,

chromium, nickel, and zinc concentration in the

sediment, and zinc in the water. As metal content and

dynamics were likely to be substantially affected by

time, the year in which the data were collected was

included as independent variables in partial correla-

tion analyses to describe the linear relationship

between the variables while controlling for the effects

of temporal variations in the metal content in the

streams.

Significant differences in metal concentration in

streams between flow conditions were examined

using one way ANOVA (Winer, 1971). Two possible

flow conditions were considered as factors in

ANOVA, either high or low flow. Each site was

classified in either of both classes according to their

deviation from the standard condition. Deviations

were calculated as anomalies by subtracting the mean

from each observation, then dividing by the standard

deviation. The contribution of spatial and temporal

random effects to the variance of the sediment metal

concentration was assessed by variance components

procedure. Maximum likelihood (ML) method was

used in the Variance Components procedure. The

maximum likelihood method accounts for the
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temporal and spatial dependence of the observations

that characterize our dataset. Using the Variance

Components procedure, the year effect’s contribution

to the random variation in a given variable can be

estimated. Multiple comparisons between means

were analyzed in all the cases with a Tukey HSD

(Honest significant difference) test (Winer, 1971).

Statistical analyses were performed using SPSS for

Windows (version 13.0; SPSS Inc., Illinois).

Influence of Cu pulses on the structure and

function of biofilms

Fluvial biofilms were cultivated and exposed to

copper under controlled conditions. The experiments

were carried out in an indoor channel system

consisting of six Perspex channels (each 170 cm

long and 9 cm wide) as described in Serra et al.

(2009). Briefly, water was supplied from 10 l carboys

located at the end of each channel and was recircu-

lated at a rate of 1 l min-1 through centrifuge pumps.

Light was provided by halogen lamps (80–

100 lmol m -2 s-1) with a 12 h light/12 h dark

cycle and the temperature was kept between 19 and

20�C using a cooling bath. Two consecutive coloni-

zation experiments were performed: one with no

copper added (No-Cu); and the other with several Cu

pulses (referred to as Cu-pulsed). In each coloniza-

tion experiment, biofilms were allowed to colonize

the surface of etched glass substrata (8.5 * 12 cm)

placed at the bottom of each channel. In the No-Cu

colonization treatment, no copper was added during

the whole colonization period (5 weeks). In the

Cu-pulsed colonization treatment, biofilms were

exposed to three pulses of 20 lg/l Cu (nominal

concentration) on the 5th week of colonization. Each

pulse lasted for 2.5 h. After each pulse, water from

the system was replaced by water without Cu.

At the end of each colonization period, three glass

substrata were removed at random from three differ-

ent channels to characterize the chlorophyll fluores-

cence of the different algal classes composing the

biofilm communities by means of a Phyto-PAM

chlorophyll fluorometer (Heinz Walz, Effeltrich,

Germany).

These mature communities were thereafter

exposed to higher Cu concentration to assess the

influence of Cu pre-exposure on Cu sensitivity.

Three channels were exposed for 24 h to 100 lg/l

Cu (nominal concentration) and the other three

channels were used as controls (maintained without

Cu in the water) following the procedures described

in Serra et al. (2009). In order to follow accumu-

lative effects, biofilms were collected at time 0 and

after 6 and 24 h of exposure to study antioxidant

enzyme activities. Cu accumulation, the algal bio-

mass (Fo), and quantum yield (effective and optimal

quantum yield) were also analyzed following the

procedures described in Serra et al. (2009). All

fluorescence measurements were performed using

the Phyto-PAM. It employs an array of light-

emitting diodes (LED) to excite chlorophyll fluores-

cence at different measuring lights (470, 520, 645,

and 665 nm), and to illuminate samples with actinic

light and saturation pulses. The deconvolution of the

overall fluorescence signal into the contributions of

Table 1 Summary of river sites

River Sampling site UTM’s Typology Impact degree

Francolı́ Tarragona 351987X, 4557363Y Karst feed river High

Foix Castellet i la Gornal 385673 X, 4569332Y Lowland Mediterranean river High

Llobregat a-Abrera 409999X, 4595622Y Large watercourse High

b-St.Joan Despı́ 416170X, 4588578Y Large watercourse High

Muga Castelló d’Empúries 530429X, 4680997Y Lowland Mediterranean river Intermediate

Fluvià L’Armentera 500869X, 4668447Y Lowland Mediterranean river Intermediate

Tordera Fogars de la Selva 474637X, 4621141Y Lowland Mediterranean river Intermediate

Besós a-Montcada i Reixac 438807X, 45999056Y Lowland Mediterranean river Intermediate

b-Montornès del Vallès 432124X, 4593424Y Lowland Mediterranean river High

Name of the river (river); name of each sampling site (sampling site) and geographic location (UTM’s). Typology according to the

Catalan Water Agency (ACA) classification and impact degree according to the Water Framework Directive
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three algal groups is based on the internal ‘reference

excitation spectra’ of a pure culture (Schmitt-Jansen

& Altenburger, 2008). The differences in pigment

composition of the antenna complexes of photosys-

tem II can be determined because the shapes of the

excitation spectra depend on the spectra of three

algal groups (Ruser et al., 1999). Reference spectra

which have previously been validated for periphyton

communities were used (Schmitt-Jansen & Alten-

burger, 2008). The fluorescence linked to cyanobac-

teria, referred to as F(Bl), the fluorescence linked to

green algae, referred to as F(Gr) and the fluores-

cence linked to diatoms, referred to as F(Br), were

used for evaluating the relative contribution (in

percentage) of each algal class to the whole com-

munity. The measurements of in vivo chlorophyll

fluorescence of PSII were used to estimate F, which

corresponds to the steady-state fluorescence in the

given actinic irradiance, and F’m, which refers to the

maximum fluorescence yield of an actinic-adapted

sample. These two parameters were used to calculate

the effective and optimal quantum yield (Y) accord-

ing to Genty et al. (1989). In our study, Y was based

on the fluorescence obtained with 665 nm light-

emitting diode (F4). Y measurements were used to

follow changes in the photosynthetic efficiency of

the communities after Cu exposure. The measure-

ments were performed at room temperature (20�C).

Saturation pulses were applied in the same actinic

light conditions as the ones used for periphyton

colonization.

Effective quantum yield (eff QY) is taken as a

measure of the photosynthetic efficiency of the

community. Yield inhibition indicates that the toxi-

cant is reducing electron flow in the PSII. The

optimal quantum yield (opt QY) provides information

about the maximum electron flow. It is a potential

estimate and is expected to change after longer

exposures if the treatment produces alterations in the

photosynthetic apparatus (i.e., shade-adapted chloro-

plasts). Basal fluorescence (Fo) may increase if the

toxicant induces fluorescence production (i.e., in the

case of herbicides blocking electron flow). In most

cases, however, Fo is used to estimate algal biomass

since chlorophyll fluorescence is proportional to total

chlorophyll content. Therefore, it is expected that Fo

will decrease if the treatment causes a reduction in

the number of cells due to cell death (structural

damage).

Antioxidant enzyme activities

Biofilms were removed from the glass substrata with

a cell scraper and centrifuged at 2,300g for 5 min

(?10�C) to remove the excess water. The pellets

were frozen immediately in liquid nitrogen and stored

at -80�C until the enzyme assays. Samples were

homogenized for 3 min on ice by adding 2.5 ml of

homogenization buffer, containing 100 mM potas-

sium phosphate buffer (pH 7.4), 100 mM KCl, 1 mM

EDTA and 10% (w/v) PPVP (Polyvinylpolypyrroli-

done), to the pellet. Homogenates were then centri-

fuged at 10,000g for 30 min at ?4�C and the

supernatants were used as the enzyme source. The

protein contents of the supernatants were determined

by the method of Lowry et al. (1951) using bovine

serum albumin as a standard.

Catalase activity was measured spectrophotomet-

rically at 240 nm according to Aebi (1984). 750 ll of

reaction mixture was contained in a final concentra-

tion of 80 mM potassium phosphate buffer (pH 7.0),

20 mM H2O2 and enzyme extract (*60 lg protein).

The optimum substrate concentration and protein

content of enzyme extract were determined by using

5.0, 10, 15, 20, and 25 mM H2O2 concentrations and

approximately 10, 30, 35, and 60 lg protein in the

test media, respectively. The decomposition of CAT

was determined by measuring the decrease in absor-

bance at 25�C for 1–5 min during optimization

procedures. Enzymatic activity was measured after

monitoring for 1 min, at the end of which linearity

was shown. CAT activity was calculated as lmol

H2O2/mg protein/min.

Ascorbate peroxidase activity was assessed by

monitoring the decrease in absorbance at 290 nm at

25�C for 2 min due to ascorbate oxidation according

to Nakano & Asada (1981). Test medium was

contained in a final concentration of 80 mM phos-

phate buffer (pH 7.0), 0.3 mM Na-Ascorbate, 0.5 mM

H2O2 and enzyme extract (*65 lg protein) in a final

volume of 1 ml. The optimum Na-Ascorbate, H2O2

concentration and protein content of enzyme extract

were determined by using 0.1, 0.2, 0.3, 0.5 and 0.1,

0.2, 0.3, 0.5 and approximately 10, 25, 30, 45 lg

protein in the test media, respectively. APX activity

was calculated as lmol Ascorbate/mg protein/min.

Superoxide dismutase activity was measured by

the indirect method involving the inhibition of

cytochrome c reduction, which SOD competes with

147Reprinted from the journal

Hydrobiologia (2010) 657:143–157

123



for superoxide radicals, generated by the hypoxan-

thine/xanthine oxidase system at 550 nm for 1 min

(McCord & Fridovich, 1969). The reaction buffer

contained 50 mM potassium phosphate buffer (pH

7.8), 0.1 mM EDTA, 10 mM cytochrome c, 0.05 mM

hypoxanthine, and enzyme extract (*25 lg protein).

The reaction was started by adding 1.87 mU/ml

xanthine oxidase in a final volume of 1 ml, which

gives a 0.02 absorbance increase at 550 nm. A unit of

SOD activity was defined as the amount of enzyme

that causes 50% inhibition of cytochrome c reduction

and was given as unit/mg protein.

Glutathione S-transferase activity was evaluated

by the absorbance increase at 340 nm due to conju-

gation of reduced glutathione (GSH) and CDNB

(1-chloro-2,4-dinitrobenzene) (Habig et al., 1974).

The reaction buffer contained 100 mM potassium

phosphate buffer (pH 7.4), 1 mM GSH, 1 mM

CDNB, and enzyme extract (*250 lg protein) in a

final volume of 1 ml. GST activity was calculated as

nmol/min/mg protein.

Catalase activity was measured in biofilms for the

No-Cu experiment and CAT, APX, SOD, and GST

for the Cu-pulsed experiment.

Statistical analysis

One way ANOVA test was used to examine differences

in the community structure between the no-Cu and the

Cu-pulsed treatments and also to compare photosyn-

thesis, and AEA between controls, and Cu exposed

communities during acute exposure (100 lg/l Cu).

Statistical analyses were performed using SPSS for

Windows (version 13.0; SPSS Inc., Illinois).

Results

Monitoring

The nine selected sites include karsts fed rivers,

lowland Mediterranean rivers, and large watercourses

from intermediate to high degree of impact (Table 1).

Average water discharge values were between 1 and

10 m3/s, ranging from 0 to 65 m3/s (Table 2). Total

Organic Carbon (TOC) ranged from low (1 mg/l) to

high (20 mg/l) concentration. Dissolved metal con-

centration was in general low and below detection

limits in most cases (data not shown) except for Zn

concentration ranging between 13 and 201 lg/l.

Sediment metal concentrations (in lg/g) were well

above background concentrations and above ecotox-

icological benchmarks in many cases (Table 2).

Comparing flow categories, the most consistent

pattern was shown by Cd in sediments increasing at

higher flow (Table 3). Comparing sites, the most

consistent pattern between metals was found in

Besós-b (Montornès del Vallès) and Francolı́

(20–86% and 22–42% increase with water flow,

respectively). On the other hand, a negative relation-

ship between flow and metal contents (with the

exception of Cd) was found in Besós-a (Montcada i

Reixac), 21–39% higher in the lower flow category.

Overall, Cd in sediment varied significantly

(P \ 0.001) across the river flow condition classes.

The low flow condition class shows an average Cd

concentration in sediment of 0.98 lg/g ranging from

0.41 to 2.31 lg/g while sites within the high flow

condition class have Cd concentrations between 0.51

and 4.13 lg/g with mean = 1.57. A significant

correlation between Cd sediment values and flow

was obtained when temporal variation among sample

collection was controlled for (i.e., variables were

treated as covariables in partial correlation analyses).

The contribution of the different components evalu-

ated to total random variance was 0.128 due to

temporal variation (years), 0.003 explained by spatial

variation (basin) and 0.007 due to error.

The comparison of Cd concentrations over time

shows that Cd values in sediment peaked during 2003

in most of the rivers (Fig. 1a) although no clear

correspondence appears to exist between water

discharge and Cd sediment concentratrions (Fig. 1b).

Another simple way of looking at the relationship

between flow and heavy metal concentrations is by

grouping water discharge into different classes

(Fig. 1c). After grouping water discharge into differ-

ent classes it can, however, be observed that Cd

content in sediment is higher in high flow conditions

(Fig. 1c).

Influence of Cu pulses on the structure

and function of biofilms

The exposure of mature biofilms to 20 lg/L of Cu

for 2.5 h did not alter the effective quantum yield
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(Table 4). Furthermore, at the end of the three

consecutive pulses (Cu-pulsed community), algal

biomass (based on basal fluorescence, Fo), and the

community composition (in terms of the percentage

of fluorescence of different algal groups) was

similar to the non pre-exposed community (no-Cu)

(Table 5).

The effects caused by the acute exposure (100 lg/l

Cu for 24 h) differed between the no-Cu and the

Cu-pulsed communities (Table 6). Effects on photo-

synthesis (in terms of effective quantum yield) and

photosynthetic capacity (in terms of optimal quantum

yield) were similar, but the AEA showed a different

pattern. While CAT showed a slight increase in the

non pre-exposed community (no-Cu), it showed a

marked reduction in the Cu-pulsed one (Table 6).

SOD and GST were also inhibited after 24 h of

exposure (Fig. 2).

Discussion

Monitoring

Dissolved metal concentration was low and below

detection limits in many cases but sediment metal

concentration (in lg/g) was in general high. Sediment

metal concentrations were within the values obtained

in river sediments which range 0.073–9.5 (Cd); 19.7–

72.5 (Cr); 12–131 (Cu); 15–150 (Pb); and 37–303

(Zn) (Huang & Lin, 2003; Jain, 2004; Adamo et al.

2005; Demirak et al., 2006). Cd, Pb, Zn, and Cu

values were characteristic of human-impacted rivers

(Peplow & Edmonds, 2005; Demirak et al., 2006)

well above background concentrations. Previous

study has shown that the relationship between metal

loads and diatom species composition can be very

poor probably due to the fact that metal concentration

Table 2 Summary of variables selected: average, minimum,

and maximum discharge (Q, Q Min and Q Max, respectively);

conductivity (cond); pH; dissolved oxygen (O2); nitrate (NO3);

phosphate (PO4); ammonium (NH4); Total Organic Carbon

(TOC), and water hardness (hardness)

Median Avg ± SD Max Min Backgrounda Benchmarcksb

Q (m3/s) 1.44 3.47 ± 4.52 17.57 0.00

Q Min (m3/s) 0.16 1.14 ± 2.27 9.78 0.00

Q Max (m3/s) 6.06 10.2 ± 12.8 64.81 0.01

Cond (lS/cm) 1,152 1,137 ± 423 2,343 516

pH 7.99 7.99 ± 0.15 8.42 7.65

O2 (mg/l) 9.08 8.96 ± 1.18 11.24 4.81

NO3 (mg/l) 12.01 16.2 ± 10.5 51.81 4.89

PO4 (mg/l P2O5) 0.54 1.67 ± 2.05 8.03 0.16

NH4 (mg/l) 0.87 3.38 ± 5.16 19.58 BDL

TOC (mg/l) 4.50 5.39 ± 3.26 19.87 1.15

Hardness (mg/l) 399 393 ± 140 683 159

Zn (lg/l) 32.20 50.1 ± 42.1 200.70 13.00

Cd (lg/g) 1.10 1.26 ± 0.79 4.10 0.15 0.2 ± 0.1 1

Cr (lg/g) 26.70 31.7 ± 20.7 98.70 5.90 21.6 ± 6.9 n.l.

Cu (lg/g) 38.00 50.3 ± 43.3 247.00 8.00 21 ± 6.4 34

Pb (lg/g) 30.20 67.1 ± 128 752.00 6.00 23 ± 3.7 47

Ni (lg/g) 21.20 28.4 ± 24.0 144.00 4.00 n.l. 21

Zn (lg/g) 129.40 162 ± 106 401.60 16.00 56 ± 25 100

As (lg/g) 5.3 12.9 ± 24.2 136.20 b.d.l. n.l. 8

Total water metal concentration (Zn) and total sediment metal concentrations (Cd, Cr, Cu, Pb, Ni, Zn, and As). Median, average (±SD),

maximum and minimum values of the nine sites over time (2000–2006)
a Range of background concentrations (Adamo et al., 2005) and becotoxicological benchmarks (Peplow & Edmonds, 2005)

b.d.l. below detection limits, n.l. not in the literature
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in the water was a bad indicator of metal availability

(Guasch et al., 2009a). Metal contents in the water

phase represented 9.8% of variation in diatom species

composition, including only the most polluted sites:

lower part of the Besós and Francolı́ rivers, both

affected by urban, industrial, and agricultural activ-

ities. In the current study, sediment metal pollution

was remarkable in these sites, but also in the lower

part of the Llobregat and Tordera rivers where Cd,

Cu, Pb, Ni, and Zn concentrations was also high,

above ecotoxicological benchmarks in many

occasions.

Focusing on temporal variability, the year effect

appeared to account for the majority of the variation

of the sediment content of cadmium. In fact, temporal

variation explained 93% of total random variance,

while spatial distribution of the sampling sites and

error explained 2 and 5%, respectively. The compar-

ison of Cd concentrations over time shows that Cd

values in sediment peaked during 2003 in most of the

rivers followed by a subsequent decrease over the

next few years (Fig. 1). Remarkably, the river

Tordera was the most polluted river in 2003. The

average relative water discharge at river Tordera has

increased since 2000 showing a sharp decrease since

peak values in 2003 (Fig. 1). Although most of the

river basins studied are characterized by an increase

in sediment Cd concentration coincident with high

discharge during 2003, Cd values in sediment do not

behave in a predictive manner according to flow in all

of them. Precisely, sediment Cd values did not differ

under different water discharge conditions within a

same basin. For example, sediment Cd concentrations

at Francolı́ were high in 2003 when mean discharge

was also above average while Cd values drop to a

minimum in 2005 coinciding with the highest

discharge for the study period (Fig. 1). However,

overall, Cd content in sediment increases as water

discharge rises (Fig. 1c). A different pattern was

observed for Cu, Zn, and As increasing with flow in

some sites and decreasing in others. The differences

observed in the total measured heavy metal concen-

trations can be a consequence of the relative contri-

bution of the different pathways of metal pollution.

The relationship between concentration of a sub-

stance and discharge exhibits a non-linear

Table 3 Average values of discharge (Q), rainfall, conductivity, Zn water concentration and sediment metal concentrations for each

flow category: low flow (1) and high flow (2)

Site Flow Q

(m3/s)

Rainfall

(mm)

Cond

(lS/cm)

Zn

(lg/l)

Cd

(lg/g)

Cr

(lg/g)

Cu

(lg/g)

Pb

(lg/g)

Ni

(lg/g)

Zn

(lg/g)

As

(lg/g)

Besós-a 1 0.76 350.7 2,343 76.00 0.80 11.10 12.20 22.00 12.00 47.00 1.50

2 0.87 450.8 1,856 56.95 1.20* 55.25** 167.0*** 45.40* 71.95** 276.1** 2.65*

Besós-b 1 0.39 478.4 1,187 145.1* 1.10 51.73* 87.73* 71.33* 34.13 354.9* 61.00

2 0.55 494.1 1,156 93.75 2.00* 33.55 53.98 30.98 28.20 187.55 43.70

Fluvià 1 4.64 708.7 818 34.67 0.90 29.40 20.03 18.53 22.90 64.20 7.47

2 8.00 733.4 777 46.60 1.55* 30.60 17.90 19.85 26.35 65.15 3.85

Foix 1 0.19 456.1 1,719 46.53 0.67 15.50 33.60 17.63 10.33 53.50 4.53

2 0.57 386.5 1,553 39.85 1.60* 23.05 64.05* 35.30* 18.75* 120.8* 6.70

Francolı́ 1 0.70 462.4 1,166 20.61 0.74 20.92 40.12 39.90 17.90 114.7 4.74

2 1.69 645.1 1,095 25.20 1.80* 47.65* 75.10* 70.25* 34.30* 220.6* 7.40*

Lobregat-a 1 10.71 625.4 1,486 34.15 0.85 17.75 36.70 24.25 22.80 97.00 8.70

2 15.38 534.5 1,233 27.20 1.33* 32.63* 48.57 32.70 32.47 158.4* 9.07

Lobregat-b 1 12.02 560.1 1,335 27.57 1.60 50.90 75.43 37.55 40.63 207.3 13.27

2 15.52 578.2 1,310 30.10 2.20 49.80 93.40 72.10* 44.60 233.5 11.70

Muga 1 1.41 366.1 649 32.47 1.03 22.00 22.60 17.80 17.07 124.6* 4.03

2 2.22 393.3 683 46.03 0.95 18.75 19.60 15.38 13.65 68.40 4.78

Tordera 1 0.75 665.7 634 92.57* 1.30 22.63 33.13 91.17 28.93 200.5 4.27

2 3.89 1,011 763 61.15 2.33* 35.28* 34.78 390.9** 47.93* 258.7 2.65

For each flow category, asterisks indicate the percentage of deviation from the average: [20% (*); [50% (**); and [75% (***)
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Fig. 1 Average annual Cd

sediment concentrations in

the different study rivers

(a); average annual relative

water discharge for all study

rivers (b); and average

annual values for all study

rivers grouped in discharge

classes (c). The water

discharge classes were

calculated by determining

an ‘‘upper anchor’’ and

‘‘lower anchor’’ (the upper

and lower 10th percentile)

for the average relative

annual flow and in doing so

the width of the high low

water discharge band. The

width of the remaining

classes was calculated by

dividing the interval

between the upper and

lower anchors equally

Table 4 Description and effects of the three consecutive Cu-pulses

Pulse 1 Pulse 2 Pulse 3

Exposure (hours) 2.5 2.5 2.5

Cu water (lg/l) 18.3 24.4 18.1

Clearance (days) 3 3 3

Eff QY (% of pre-exposure) 96.7 (18.3) 101.7 (24.4) 104.4 (18.1)

Duration of the exposure (exposure), Cu concentration reached at plateau (Cu water), time between pulses (cleaning), and changes in

effective quantum yield (eff QY) during exposure
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dependency. Under this framework the low flow

conditions reflect the dominance of point sources

from base flow. At higher flow conditions it seems

that the input from diffuse sources dominates the

transport. While Cd seems to proceed from diffuse

sources being washed by surface runoff, Zn, Pb, and

As may proceed from either diffuse or point-sources

in the different river sites investigated. Although

sediment sampling frequency was not optimal (only

once a year), sediment characteristics are far more

conservative than water metal concentrations and

allow an insight within inter-annual variability.

Temporal patterns occurring at shorter time scales

may also take place. A more frequent sampling

is required for a better characterization of metal

pollution patterns.

Influence of Cu pulses on the structure

and function of biofilms

Cu pulses were not toxic but caused a progressive Cu

accumulation increasing the sensitivity of the

Cu-pulsed community in comparison with the non

pre-exposed one. Effects on photosynthesis (in terms

of effective quantum yield) were similar, but the AEA

showed a different pattern. While CAT was activated

in the non pre-exposed community (no-Cu), it was

clearly inhibited in the Cu-pulsed one. In this later

case, SOD and GST were also inhibited indicating that

toxicity exceeded the antioxidant cell defenses. The

response variability of the antioxidant enzymes may

be related to several factors, such as ROS production

due to toxic effects of Cu, which can be dependent on

the specific toxicity at different cellular sites, orga-

nelle localizations of these enzymes, metal concen-

tration and exposure duration (Sauser et al., 1997;

Pinto et al., 2003; Li et al., 2006). Decreased CAT and

GST activities may be related to the direct binding of

Cu on the sulfhydryl groups of the enzyme or elevated

levels of ROS leading to deleterious effects on cell

structure. In addition, Cu bioaccumulation may cause

GSH depletion due to the high affinity of Cu to GSH,

which leads to a decrease in GST activity. GST

activity in Fucus sp. was found to be higher in less

contaminated regions than in more contaminated

regions of the Portuguese Atlantic coast, which is

impacted by complex discharges of contaminants

such as petroleum derived products as well as

industrial and urban effluents (Cairrao et al., 2004).

In the microalgae Scenedesmus sp., Cu caused an

Table 5 Characterization of the periphytic communities at the

end of the respective colonization periods

No-Cu Cu-pulsed

Avg SD Avg SD

Fo 315 260 157 103

Fo (Bl) 26.1 11.1 37.4 3.1

Fo (Gr) 23.9 10.9 7.0 7.3

Fo (Br) 50.1 0.20 55.6 6.7

Chlorophyll a fluorescence (Fo) (in relative units of

fluorescence) and percentage of chlorophyll fluorescence (F)

of each algal class (Bl, blue-green algae; Gr, green algae and

Br, brown algae) from the two treatments (Avg ± SD; n = 3).

No significant differences (P \ 0.05) among treatments were

found for no one of the parameters studied (ANOVA one way

test)

Table 6 Response of non pre-exposed (No-Cu) and pre-exposed biofilms to three consecutive short pulses of 20 lg/l Cu (Cu-pulsed)

to an acute Cu exposure (100 lg/l)

No-Cu Cu-pulsed No-Cu Cu-pulsed No-Cu Cu-pulsed No-Cu Cu-pulsed

0 h 0

(0)

36.5

(16.8)

98.6

(12.1)

97.1

(13.4)

94.7

(4.2)

94.5

(8.2)

89

(23)

100

6 h 30.0

(6.2)

73.0

(9.5)

79.4

(8.9)

67.5

(11.6)

84.2

(11.5)

95.2

(8.3)

100

(107)

56

24 h 102.8

(47.9)

103.3

(35.4)

89.8

(5.3)

b.d.l. 94.0

(6.3)

85.1

(6.5)

107

(18)

55

Cu biofilm (lg/g) Eff QY (% control) Opt QY (% control) CAT (% control)

Bioaccumulation (Cu biofilm); effective quantum yield (eff QY); optimum quantum yield (opt QY); and catalase activity (CAT) after

0, 6, and 24 h of exposure

*Average and standard deviation (in parenthesis)
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increase in CAT and APX activity at lower Cu

concentrations (up to 5 lM), while at higher concen-

trations (up to 40 lM) the activities decreased. This

was associated with metals binding to sulfhydryl

groups on the enzyme or by displacement of an

essential element (Tripathi & Gaur, 2004). In conclu-

sion, decreased CAT, SOD, and GST activities appear

to be related to high levels of oxidative stress caused

by Cu, which is also in agreement with other studies

(Sauser et al., 1997; Tripathi & Gaur, 2004; Dewez

et al., 2005). It is emphasized that antioxidant

responses to toxicants can also depend on the

magnitude of stress. Increased antioxidant enzyme

activities due to the metal-induced disruption of the

oxidative balance can be seen under low dose

exposures. However, toxic effects of pollutants may

exceed the antioxidant defenses and cell death or

damage of cellular mechanisms may follow under

acute conditions (Andrade et al., 2006). This is also

supported in our data.

The lack of change in the optimal quantum yield

(Table 5) indicates that the photosynthetic apparatus

was not damaged and that Cu exposure was probably

too low to cause cell death in fluvial biofilms after

24 h of exposure. In addition, the effects on the

effective quantum yield were slight. In agreement

with our results, catalase activity was found to be

more sensitive than the photosynthetic activity in
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Fig. 2 Plots of AEA:

catalase (CAT); ascorbate

peroxidase (APX);

superoxide dismutase

(SOD); and gutation-S-

transferase (GST) versus Cu

contents in biofilms after

acute Cu exposure on

biofilms non pre-exposed

(No-Cu) and biofilms pre-

exposed to three

consecutive short pulses of

20 lg/l Cu (Cu-pulsed).

The regression curves

(linear for CAT and SOD

and exponential decay for

GST) and the corresponding

regression coefficients and

probabilities are also

indicated
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detecting the effects of the herbicide flumioxazin

(Geoffroy et al., 2004).

Time-varying or repeated exposures can have a

variety of consequences. The first pulse may select

more tolerant species, causing an apparent lessening

in toxic response (Allin & Wilson, 2000). Induced

community tolerance was observed by Tlili et al.

(2008) as a result of the exposure of fluvial biofilms

to consecutive diuron pulses. A clearance interval

between consecutive pulses may allow time for the

community to recover from exposure by depurating

or detoxifying the contaminant. However, if the

contaminant is not completely depurated or detoxi-

fied between transient pollution events, thus the

compound could accumulate and result in a cumula-

tive toxic effect over several doses. In a study of the

effects of multiple pulses of Cu and Irgarol on the

photosynthesis performance of Zostera, Macinnis-Ng

& Ralph (2002) reported a clear recovery after the

first pulse, but a clear damage in the photosynthetic

apparatus after the second one, indicating cumulative

toxic effects.

Organisms experience toxicity when toxicant

accumulation exceeds their tolerance. Fluvial bio-

films were not apparently damaged during the short

exposure durations in our study. However, marked

effects on their AEA did occur after the fourth

exposure to higher dose and longer duration. This

suggests that Cu accumulation exceeded the tolerance

of organisms inhabiting the biofilm after repeated

exposures. In contrast with the unexposed biofilm,

total Cu content in the Cu-pulsed community was
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Fig. 3 Conceptual figure

showing the expected

effects of metal exposure

episodes of different

duration on fluvial biofilms.

Changes in total metal

concentration in water and

the corresponding pattern of

variation of biofilm metal

concentration (upper
panel); expected

physiological responses:

photosynthesis and

antioxidant enzyme

activities, AEA (middle
pannel) and structural

changes: biomass and

percentage of sensitive

species in the community

(lower pannel)

154 Reprinted from the journal

Hydrobiologia (2010) 657:143–157

123



above 30 lg Cu/g DW (36.5 on average) after the

three short-pulses suggesting that the biofilm was

already exposed and that residual biofilm Cu contents

increased the sensitivity of the community. This

suggestion is supported by Guan & Wang (2004),

who reported that more than about 30% of the

accumulated trace metals (Cd, Zn, and Se) remained

in Daphnia magna after 8 days holding in a clean

environment causing retarded lethal effects.

Conceptual model linking temporal variability

of metal exposure with fluvial biofilm community

responses

The results obtained in our Cu-pulsed experiment

contribute to our understanding of the response of

fluvial biofilms to metal pulses. Temporal dynamics

of total metal concentration in water, the correspond-

ing pattern of variation of biofilm metal concentration

and the expected physiological and structural changes

are theoretically represented in Fig. 3.

Input to fluvial systems by metals may occur in

pulses and by continuous exposure. Biofilm commu-

nities exposed to sublethal levels for short periods

may lead to progressive internal dosage (bioaccumu-

lation). Once entering the cell, the heavy metal ions

may either be detoxified or adversely affect cell

processes. Acute exposure may lead to transitory

physiological effects. If the community is not adapted,

metal exposure is expected to cause oxidative stress,

increased activity of the enzymes that may cope with

this stress and finally photosynthesis inhibition and

toxicity that may damage the cell defense capacity

(Fig. 3b). On the other hand, frequent episodes of

exposure or chronic exposure may induce an increase

in community tolerance driven by the substitution of

sensitive species by tolerant ones becoming more

resistant to higher concentrations. It is also expected

that metal adaptation will be linked to photosynthesis

recovery, increase of antioxidant enzyme activities,

slight reduction in biomass, and a higher metal

accumulation capacity (Fig. 3c).

Conclusions

Diffuse metal pollution is expected to be high in

human-impacted areas, such as the densely populated

Mediterranean region. In these areas, pollutants may

be accumulated in the terrestrial systems due to low

rain, and pollution may be linked to rain events that

create urban runoff or industrial spill. The experi-

mental results presented demonstrate that metal

effects in fluvial biofilms may be accumulative

increasing the toxic effects after repetitive pulse

exposures. Longer exposure may allow the commu-

nity to adapt by the replacement of sensitive species

by tolerant ones. Community adaptation is also linked

with higher bioaccumulation capacity, in agreement

with the results obtained in sediment field samples

(monitoring data).

Below average surface flow conditions as well as

floods are expected to increase at higher latitudes due

to global change. Consequently, the sources of metal

pollution, its final concentration and potential effects

on the fluvial ecosystem may also change following

the patterns expected for human-impacted Mediter-

ranean rivers.

Acknowledgments The ‘‘Serveis Cientı́fics i Tècnics’’ at the
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Abstract Nutrient excess is a common disturbance

that affects biological interactions in river ecosys-

tems. The response of nutrient supply on primary

producers and Tricorythodes sp., a common mayfly

grazer, was determined in experimental chambers set

in a tropical, high Andean stream. Chambers in an

experimentally fertilized reach developed higher

amount of both benthic and detached chlorophyll

than chambers in an upstream control reach. Fertil-

ization produced a slight increase in grazer biomass,

and reduced algal biomass compared to grazer-free

chambers. These results show that nutrient excess

spread bottom-up effects through the food web, and

that relevant top-down effects could also be detected.

Eutrophication may produce relevant changes in the

food web of tropical high-mountain streams.

Keywords Algal biomass � Colombian Andes �
Tricorythodes sp. � Chambers � Nutrient enrichment

Introduction

During the 1970s, it was assumed that biomass and

productivity of a certain trophic level were defined by

the predation and the grazing at higher levels (effects

‘‘Top-down’’; Steinman, 1996). The predominant

control over the distribution and abundance of algae

in rivers is given from higher trophic levels (herbi-

vores) to the lower trophic levels (biofilm, benthic

algae); however, this control depends upon time,

place, and the environmental conditions (Rosemond

et al., 1993; Allan & Castillo, 2008). Many experi-

ments established that grazing can significantly affect

the structure and dynamics of primary producers’

communities (Lamberti & Resh, 1983; Lamberti &

Moore, 1984; Hart, 1987; Hill & Knight, 1987; Liess

& Hillebrand, 2004; Peters et al., 2007).

Manipulative experiments carried out on the inter-

action and effects between the herbivorous insects

and periphyton in rivers have been limited mostly to

caddisflies (Lamberti & Resh, 1983; McAuliffe,

1984). Hill & Knight (1987) carried out a study on

the interaction among the mayfly Ameletus validus

and the periphyton in a small north California stream.

All these studies reported a reduction and substantial

alteration in periphyton growth, primary production,

159Reprinted from the journal

Guest editors: R. J. Stevenson, S. Sabater / Global Change and

River Ecosystems – Implications for Structure, Function and

Ecosystem Services

J. Ch. Donato-Rondón (&) � M. I. Castro-Rebolledo

Departamento de Biologı́a, Universidad Nacional de

Colombia, Av (Cra.) 30 No. 45-03, Bogotá, Colombia
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and community structure. Other experiments reported

the exclusion of herbivorous insects from periphyton

(Lamberti & Moore, 1984; Murphy, 1984; Hart, 1985;

Hill & Knight, 1987),

Nutrient excess is one of the most common

disturbances affecting river ecosystems, through

‘‘bottom-up’’ effects to the whole community struc-

ture (Biggs & Smith, 2002). In recent years, both

‘‘bottom-up’’ or ‘‘top-down’’ control of the commu-

nities of algae, have been considered important for

the structure of trophic webs (McQueen et al., 1986)

and the effects of both nutrients and herbivores

(Hillebrand & Kahlert, 2001; Hillebrand et al., 2002).

The Andean tropical fluvial ecosystems lodge an

enormous biological diversity. The marked seasonal

variation in the temperature characteristic of the

temperate systems is substituted by altitudinal vari-

ation, and the differences in the rainy and drought

periods influence the hydrological dynamics (Zapata

& Donato, 2005). The incident solar radiation is

intense despite of local conditions. In the Andes, the

radiation is 50% higher that in the sea level for a

regime of equivalent atmospheric humidity (Lewis

et al., 1995).

Original forests are fragmented and\30% of their

original extension remains (Armenteras et al., 2003).

The particular effect nutrient enrichment in the

biodiversity and structure of communities in tropical

rivers, and, in particular, in the Andean region, is

largely unknown. These fluvial systems face increas-

ing population densities and rising eutrophication that

add to the seasonal flow variations (Donato & Galvis,

2008).

This article aims to solve the consequences of

nutrient enrichment on the relationships between

algae and nutrients, as well as the potential implica-

tions for the trophic net. The use of controlled

experiments has been the main tool to analyze the

effect of the nutrient enrichment in the ecological

interactions and the biodiversity. This type of exper-

iments may be essential in understanding the

response of rivers and streams of tropical fluvial

systems. In particular, the main objective of this

article was to determine the relationships between

nutrient supply, algal biomass, and its link with

Tricorythodes nymphs grazing in controlled experi-

ments. Results may be indicative of effects of

fertilization in Andean streams.

Methods

Study area

The Tota stream is located in the Colombian Eastern

mountain range (5�350N and 73�000W) and its

drainage basin has a surface area of 340.6 km2. The

average annual temperature and the average annual

precipitation are 15�C and 730.5 mm, respectively.

The rainfall regime is bimodal with rainy periods

from April to May and from October to November.

The driest period ranges from December to February.

Discharge is 1.52 m3 s-1 during the rainy seasons,

and is 10 times lower during the dry period. The

natural vegetation of the catchment has been replaced

by pasture for cattle rising. The predominant riparian

plants trees are alder (Alnus acuminata), eucalyptus

(Eucalyptus globulus), and willow (Salix humboldti-

ana; Castro & Donato, 2008).

The conductivity values in Tota waters are among

27–373 lS cm-1, pH has a neutral behavior of 6.67–

7.93. The nutrients concentrations have ranges of

0.09–0.87 mg l-1 PRS, 0.1–0.5 mg l-1 NH4
?, 2.5–

11.5 mg l-1 silica, 0.06–0.6 mg l-1 NT, and 0.05–

1.4 mg l-1 PT (Zapata & Donato, 2008).

Tricorythodes sp. (Ephemeroptera: Leptohyphi-

dae) of the Tota’s stream has been not well-charac-

terized despite of being one of the dominant groups in

this stream. In tropical areas, most studies of the

genus have emphasized its taxonomy (Domı́nguez

et al., 2006; Emmerich, 2007), ecology, and bioindi-

cation value (Roldán, 2003; Liévano & Ospina,

2007).

Experimental design

The study reaches were located in the area of Cuitiva

Town in Boyacá State (Colombia). The experiments

were performed in a third-order stream (Tota stream).

Cobbles were the dominant substrata in the stream.

Alnus acuminata trees partially shade the stream bed.

The experiment was carried out in a 30 m reach of

the stream. The first 15 m of the reach were kept in

natural conditions (control reach), while in the other

15 m (fertilized reach) nutrients were added using a

500 l tank. Two commercial grain fertilizers were

diluted in the tank (Nitron 26 (26–0–0) and Abocol

(NPK) (10–30–10)) to raise at least twice the average
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basal (natural) phosphates (1.93 lg l-1) and ammo-

nium concentrations (16.12 lg l-1) in the stream.

Twenty-four chambers were placed in the fertilized

reach and in the control reach. These chambers were

made of transparent acrylic material, and were 7 cm

length, 7 cm height, and 7 cm width. Each chamber

had three circular openings of 3.5 cm of diameter

covered with a 0.5 mm mesh, to allow continuous

flow of water through them (Fig. 1). Fertilization

started 15 days before introducing the animals in the

chambers. In that period, chambers were placed in the

stream to allow periphytic colonization.

In each treatment reach, we randomly choose 12

chambers and introduced 10 Tricorythodes sp.

nymphs into each chamber. The Tricorythodes sp.

was collected in the study area. Their average body

length was 3.0 mm, and the cephalic capsule was

0.5 mm long by 0.5 mm wide. The herbivores were

placed in the compartments at the beginning of the

experiment, when the periphyton colonization period

was finished.

The sampling was carried out after 3, 10, 17, and

28 days of introducing Tricorythodes sp. On each

sampling day, six chambers were randomly selected

for sampling from both the fertilized and the control

reaches. Of the six chambers taken in each treatment

reach, three were chambers without grazers and the

remaining three contained grazers.

Tricorythodes sp. nymphs were taken out of the

chambers every sampling day and immediately mea-

sured. Extracted chambers were wrapped up in alumi-

num paper and moved to the laboratory for the

estimation of benthic chlorophyll a and detached

periphyton chlorophyll a. Chlorophyll was measured

from the detached periphyton and from that suspended

in the chamber water using the APHA methods (2005).

Environmental conditions

Water flow (Q) was estimated after daily measurements

of the current velocity using a Global digital flowmeter.

Temperature (�C) and dissolved oxygen (mg l-1 O2)

were measured daily with a HACH LDO HQ30d

oxygen sensor. Conductivity (lS cm-1) was measured

with a YSI model 556 MPS multiparametric probe.

Light intensity (lmol s-1 m-2) was measured with a

Model LI-COR LI-250a luxometer. The environmental

light was measured thrice each day in study reaches, as

well as the light intensity received by each chamber in

the water. The pH was measured with a SCHOTT pH

11/SET sensor. The ammonium (lg l-1 NH4
?) and the

phosphate (lg l-1 PO4
3-), were measured following the

techniques described by Butturini et al. (2009)

Data analysis

Before beginning the experiment, 83 Tricorythodes

nymphs were collected. In each animal sampled were

measured the total body length, length and width of the

cephalic capsule. They were oven dried (48 h at 70�C)

and weighed with a precision of 0.01 lg. The results

were fitted to the equation by Burgherr & Meyer (1997),

DM ¼ a � Lb

where a and b are the regression constants, DM dry

mass (mg) and L total body length (mm).Tricoryth-

odes length was related to biomass with the equation:

ln DM ¼ �7:45þ 4:06 ln Lð Þ
n ¼ 83; r2 ¼ 0:66; P\0:0001
� �

:

This equation was used to define the initial biomass

of the 240 nymphs of Tricorythodes sp. introduced in

24 chambers (12 in the control and 12 in the fertilized

reach) and to compare it with the final biomass of the

individuals extracted throughout the experiment.

A multivariate analysis of variance (MANOVA) was

carried out to detect significant differences between

treatments by using the SPSS 15.0 for Windows.

Results

Environmental conditions

The reaches showed average values of 0.05 m3 s-1

flow, 7.05 pH, 166.69 lS cm-1 conductivity,

Fig. 1 Chamber used as the artificial substrate in the

experiment
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7.31 mg l-1 dissolved oxygen, 16.87�C temperature,

102.48% oxygen saturation, and 907.16 lmol m-2 s-1

environmental light during the experimental period.

The control and impact reaches showed that

significant differences in physical conditions among

days (Table 1; Fig. 2), but not between them

(Table 2). Only dissolved oxygen was significantly

different between days at the two reaches. The

dissolved oxygen showed that a similar behavior

between reaches during the first day of the experiment

(fertilized reach with an average of 7.4 mg l-1 and

control reach with an average of 7.2 mg l-1) until day

25. The oxygen values were slightly higher from day

25 onwards in the fertilized (7.0–7.9 mg l-1) than in

the control reach (6.9–7.6 mg l-1).

The fertilization obviously produced a significant

increase in nutrient availability (Fig. 3; Table 1).

Concentration of ammonia (NH4
?) rose from 16.12

to 265.11 lg l-1, and phosphate (PO4
3-) from 1.93

to 68.83 lg l-1.

Biota

Significantly higher concentrations of benthic (n =

24, F = 242.543, P \ 0.0001) and detached periphy-

ton chlorophyll a (n = 24, F = 52.525, P \ 0.0001)

were observed due to fertilization (Fig. 4).

In chambers with Tricorythodes sp. in the control

reach the benthic chlorophyll a showed values of

0.18 lg cm-2 (day 19)–0.39 lg cm-2 (day 33). Chlo-

rophyll concentrations ranged from 1.00 lg cm-2

(day 19) to 2.47 lg cm-2 (day 44) in the fertilized

reach. The detached periphytic chlorophyll a showed

values of 0.07 lg cm-2 (day 19)–0.58 lg cm-2 (day

33) in chambers of the control reach and from

0.15 lg cm-2 (day 19) to 2.79 lg cm-2 (day 33) in

the fertilized reach.

In the chambers without Tricorythodes sp. the

benthic chlorophyll a ranged from 0.12 lg cm-2

(day 19) to 0.45 lg cm-2 (day 44) in the control

reach and 0.56 lg cm-2 (day 26) to 2.27 lg cm-2

(day 44) in the fertilized reach. The detached

periphytic chlorophyll a concentration corresponded

to 0.10 lg cm-2 (day 19)–0.87 lg cm-2 (day 44)

in the control reach and 0.22 lg cm-2 (day 19)–

4.78 lg cm-2 (day 44) in the impact reach.

Average mayfly biomass was initially 0.06 mg at

the control reach and 0.07 mg at the fertilized one.

The final biomass did not present any significance

difference (n = 12, F = 0.979, P = 0.333) between

the two reaches. However, when the mean light value

measured in each box was used as covariable

differences became statistically significant (n = 6,

F = 12.255, P = 0.003). Differences were also sig-

nificant when biomasses between sampling days were

compared (n = 6, F = 42.752, P \ 0.0001) due to

the rise of the nymphs final biomass in the fertilized

reach in relation with the control reach (Fig. 5).

Benthic chlorophyll a did not show significant

differences regarding the biomass of mayfly nymphs

(n = 12, F = 4.985, P = 0.037).

Overall, the detached periphyton chlorophyll a

was significantly higher in the chambers with may-

fly nymphs (n = 24, F = 22.300, P \ 0.0001). We

observed that detached periphyton chlorophyll a

concentrations were higher in the impact than in

control treatments. In the presence of mayfly nymphs,

the chlorophyll a concentrations were lower than in

the treatments without the herbivore (Fig. 6).

Discussion

The dissolved oxygen values were significantly

higher in the fertilized reach than in the control

reach. This change is related to the increase of the

primary production as a response to the supply of

nutrients (Dodds, 2006), that can be assumed given

the higher benthic and detached periphyton chloro-

phyll a in the fertilized reach. Dodds et al. (2002) also

found positive correlations between the detached

Table 1 Maximum and minimum values among physical,

chemical, and hydrological variables between control and

fertilized reach

Control reach Fertilized reach

Min Max Min Max

Flow (m3 s-1) 0.01 0.32 0.01 0.37

Temperature (�C) 14.5 20.2 14.4 20.3

pH 5.45 7.84 5.25 7.68

Conductivity (lS cm-1) 89 224 89 244

Dissolved Oxygen

(mg l-1)

6.65 7.56 6.77 7.98

Ligh (lmol m-2 s-1) 235.4 1,410.63 258.07 1,412.53

NH4
? (lg l-1) 16.12 37.68 14.22 265.11

PO4
3- (lg l-1) 1.93 42.7 1.37 66.37
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periphyton chlorophyll a and nutrients in the water

column. Also, Biggs & Smith (2002) concluded that

nutrients supply had strong influence on periphyton

despite disturbances, e.g., resulting from hydrological

stability. Both the benthic algal biomass and the

suspended algae increased as a result of increasing
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nutrient supply in Tota’s stream. The nutrients

concentrations reached during the experiment were

within the ranges defined (Rier & Stevenson, 2006;

\86 lg DIN l-1 and \16 lg P l-1) to sustain a

maximum algal biomass growth rate.

The higher algal biomass in the fertilized reach

had an impact on the nymphs biomass in the impact

chambers than in the control ones. The significant

higher values rise of final biomass of Tricorythodes

nymphs in the impact when light factor was a

covariable demonstrates that the more intense grazing

by the herbivores is due to the influence of light and

nutrients in the growth of the periphyton, that in these

situations is expressed in greater food availability for

the herbivores (Larned & Santos, 2000; Mosisch

et al., 2001; Taulbee et al., 2005).

The decrease in the detached periphyton chloro-

phyll a concentrations suggests that Tricorythodes

nymphs behaved also as collectors according to the

descriptions given by Merritt & Cummins (1996).

The larvae of many mayfly species have gathering

collector feeding structures and tend to feed on the

Table 2 Using ANOVA

analysis, significance values

(P \ 0.05) among the

physical, chemical, and

hydrological variables

between treatments

(control–impact) and the

sampled days

Places (Fertilized–Control) Sample Days

F P F P

Flow (m3 s-1) 0.736 0.394 23.291 \0.0001

pH 1.409 0.239 8.924 \0.0001

Conductivity (lS cm-1) 0.210 0.648 156.615 \0.0001

Dissolved Oxygen (mg l-1) 7.326 0.008 2.915 0.001

Temperature (�C) 0.022 0.883 31.005 \0.0001

Light (lmol m-2 s-1) 0.160 0.691 5.784 \0.0001

PO4
3- (lg l-1) 21.496 \0.0001 1.389 0.162

NH4
? (lg l-1) 50.277 \0.0001 0.454 0.990
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upper layers, or loosely attached, portions of the

periphyton mat (Steinman, 1996). This contrasts with

the observations of Rivera et al. (2008) that consid-

ered the organisms of this family to be shedders.

The results of this experiment emphasize the

ecological relevance of carrying out experiments in

situ, where light and nutrients levels are the main

restrictive factors of biomass growth in primary

producers and vary naturally, than in the fixed

conditions in laboratory settings. Different environ-

mental variables can influence organisms’ response.

In the present experiment, we showed that the

importance of light as a covariable factor that

generates significant effects in the increase of the

algal biomass and the final biomass of Tricorythodes.

Nutrient enhancement in the high Andean stream

increased primary productivity (‘‘bottom-up’’) and

generated herbivores responses that regulated periph-

yton biomass (‘‘top-down’’). These results are in

agreement with those obtained in temperate rivers

(Rosemond et al., 1993; Hillebrand & Kahlert, 2001;

Liess & Hillebrand, 2004; Gafner & Robinson, 2007).

However, enrichment in tropical systems might be

even more effective than in temperate areas, where

the base of the stream trophic web depends of

allochthonous material and seasonality, while in the

high-mountain tropical streams it mostly depends on

the contributions of algal biomass (Davies et al.,

2008) and the intensity of the physical events of

hydrological type (Zapata & Donato, 2005).
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biomasa algal béntica. In Donato, J. (ed.), Ecologı́a de un

rı́o de montaña de los Andes colombianos (rı́o Tota,
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Abstract Mediterranean streams are characterised

by seasonal droughts, the frequency and intensity of

which vary spatially and are expected to increase

with global change. We studied the potential effects

of drought and climate change on the fish assemblage

and its trophic ecology in a Mediterranean stream by

comparing an intermittent tributary with two more

permanent neighbouring reaches. Although the three

sites were dominated by the same two fish species,

Mediterranean barbel (Barbus meridionalis) and chub

(Squalius laietanus), the intermittent tributary had a

lower overall fish density and fewer eel (Anguilla

anguilla). The intermittent tributary had macroinver-

tebrates with lower density, smaller taxa and higher

diversity. Fish in the intermittent tributary had

significantly lower biomasses in their gut contents

(adjusted for fish length) and more negative electiv-

ities than those in the permanent reaches, as well as

significantly lower taxonomic diversity. These results

indicate that there was reduced resource availability

in the intermittent tributary, which resulted in signif-

icantly lower condition and gonadal weight (adjusted

for length) of barbel and chub. The data obtained in

this Mediterranean stream support the observation

that reduced water flow may affect fish at both

individual and assemblage levels.

Keywords Mediterranean streams �
Intermittent stream � Drought � Fish condition �
Diet � Resource availability

Introduction

Mediterranean stream ecosystems are characterised

by strong variations in stream flow and water

temperature throughout the year (Gasith & Resh,

1999; Acuña et al., 2004). These streams also dry out,

mostly often during the summer. Therefore, organ-

isms in Mediterranean streams as well as other

intermittent streams need to be adapted to highly

variable physicochemical factors and biotic interac-

tions (Williams, 1996). The severity of drought is an

important determinant of the magnitude of these
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Department of Ecology, Faculty of Biology, University

of Barcelona, Avda. Diagonal 645, 08028 Barcelona,

Catalonia, Spain

e-mail: emasmarti@ub.edu

E. Garcı́a-Berthou � S. Sabater � S. Tomanova

Institute of Aquatic Ecology, University of Girona,

Campus de Montilivi, 17071 Girona, Catalonia, Spain

S. Sabater

Catalan Institute for Water Research, Scientific

and Technologic Park of the University of Girona,

17003 Girona, Catalonia, Spain

123

Hydrobiologia (2010) 657:167–180

DOI 10.1007/s10750-010-0292-x



environmental changes and thus the effects on the

local biota (Golladay et al., 2004; Dewson et al.,

2007). Flow decrease diminishes both wetted width

and depth and consequently reduces habitat avail-

ability (Lake, 2003). In addition, habitat suitability

may also be altered by reduced water velocity,

increased sedimentation, lower resource availability,

changes in nutrient concentrations, reduced dissolved

oxygen levels or increased water temperatures (e.g.

Butturini et al., 2003; Dewson et al., 2007). Drought

can affect streams indirectly through effects on

connected ecosystems such as riparian zones (Sabater

et al., 2001; Acuña et al., 2005). Severe drought can

cause local extinctions of the taxa unable to adapt to

drought, either through behavioural or life-history

strategies (Lytle & Poff, 2004), particularly if water

flow is completely interrupted and the stream bed

dries out completely.

In current predictions of climate change, both the

intensity and frequency of droughts are likely to

increase, reducing discharge in many European rivers

(Arnell, 1999a, b; IPCC, 2007). Summer precipitation

would decrease over Europe, the frequency, severity

and duration of heat waves would increase (and

consequently evapotranspiration), and therefore run-

off would decrease. Overall, a ‘mediterranealisation’

of many temperate streams would occur (Arnell,

1999a, b; Giorgi et al., 2004; Beniston et al., 2007;

IPCC, 2007). Since earlier and longer droughts may

occur in the Mediterranean area (Beniston et al.,

2007), the seasonal drought effects would be exac-

erbated, especially in small- and middle-sized

streams. In these systems, permanent riffle habitats

could dry in summer and intermittent reaches might

dry out completely. These effects on riverine ecosys-

tems may be worsened by increasing urbanisation and

more intensive irrigation, as both would enhance

water abstraction (Arnell, 1999a; IPCC, 2007; Sabat-

er & Tockner, 2010). Temporality would thus extend

from Mediterranean ecosystems to other temperate

river systems. Therefore, understanding how the

stream biota reacts to drought conditions is essential

for predicting and mitigating potential effects of

increasing water scarcity.

Flow intermittency affects fish populations in

several ways (Matthews & Marsh-Matthews, 2003).

During dry periods, fish are confined to refugia (i.e.

pools), where they reach high densities. In these pools,

abiotic (increased water temperature, reduced stream

flow and lower oxygen concentration) and biotic

interactions (predation and competition for space and

food) are intense (Spranza & Stanley, 2000; Lake,

2003; Magoulick & Kobza, 2003). However, the rapid

recovery of populations after droughts (Gasith & Resh,

1999; Matthews & Marsh-Matthews, 2003; Vasiliou &

Economidis, 2005) points out that many fish species

may have developed adaptations to survive in such

harsh ecosystems (Labbe & Fausch, 2000; Humphries

& Baldwin, 2003). Nevertheless, the existence of

behavioural, anatomical and physiological adaptations

to small warm-water streams undoubtedly requires

some energy investment (Grossman et al., 1998;

Spranza & Stanley, 2000). Although adaptations may

allow fish survival in these systems, they may not

completely prevent fitness consequences (Lake, 2003).

Physiological stress resulting from harsher abiotic

conditions or increased competition for resources

(either habitat or food) should impact individual fish.

Consequently, individuals in intermittent streams

might present stress symptoms derived from their

higher energy investment, such as a lower condition

or reproductive success than others inhabiting per-

manent river systems. Increased drought frequency

and intensity will produce negative effects on habitat

quantity (i.e. the occurrence of smaller and shallower

pools) and quality (increased temperature, reduced

oxygen levels and changes in resource availability)

and will thus reduce community stability and persis-

tence (Magoulick, 2000; Oberdorff et al., 2001).

Consequently, the effects on fish will increase with

drought severity, and the time needed for communi-

ties to recover will be longer. Therefore, both the

existence of fish adaptations and the severity of

drought would determine the necessary time lag for

fish to overcome the effects of drought.

A final effect on fish assemblages may be related to

the quality and availability of prey under drought

conditions. Similarly to fish assemblages, the macro-

invertebrate community structure can recover rapidly

from drought (Boulton, 2003; Lake, 2003). However,

the extension of drought may influence community

development during the following year. Surface water

disappearance in intermittent streams represents a

critical stage that negatively affects survival and next-

year recruitment of taxa that have limited mobility,

those whose aquatic stage is longer than 1 year, as well

as those lacking desiccation-resistant stages (Boulton

& Lake, 1992; Boulton, 2003; Acuña et al., 2005;
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Bêche et al., 2006; Bêche & Resh, 2007). Compared to

permanent rivers, intermittent streams have macroin-

vertebrate assemblages with lower densities, biomasses

and productions, as well as smaller individuals for a

given taxon and smaller-bodied taxa with shorter

generation times (del Rosario & Resh, 2000; Muñoz,

2003; Halwas et al., 2005; Chadwick & Huryn, 2005,

2007; Bonada et al., 2007). Optimal foraging theory

predicts that prey selection is determined by the relative

profitability of particular types and sizes of prey (Pyke,

1984). Therefore, the effects of drought on macroinver-

tebrate fauna may reduce both optimal and overall prey

availability, causing shifts in fish diets towards less

nutritious prey.

Despite the existence of studies proving the effects

of drought on fish populations and their rapid recovery,

studies considering delayed effects (such as those

arising from changes in food availability) are still rare

(Matthews & Marsh-Matthews, 2003), particularly in

Mediterranean streams (Magalhães et al., 2007). In this

study, we aimed to compare the differences in fish

condition and trophic ecology between an intermittent

Mediterranean stream and neighbouring permanent

reaches. The studied reaches supported the same native

fish assemblage typical of the Mediterranean basin

(Aparicio et al., 2000; Benejam et al., 2008). Although

intermittent and permanent reaches differ in a number

of factors, such as basin size, river flow, productivity

and connectivity (Nilsson et al., 1994; Taylor et al.,

1996; Bonada et al., 2006), comparing them provides

large scale, realistic information on how natural or

artificial droughts affect overall community structure

and functioning. The study was conducted in the

spring, a season that allowed maximum recovery from

the preceding drought and that is the period prior to the

start of the next seasonal drought. We hypothesised

that stronger cumulative effects of drought in the

intermittent stream would alter macroinvertebrate

assemblages and thereby cause changes in fish trophic

ecology as well as a reduction in the abundance and

individual condition of fish.

Materials and methods

Study site

The study was performed in La Tordera and one of its

tributaries, Fuirosos (NE Iberian Peninsula; Fig. 1).

This catchment is characterised by a typical Mediter-

ranean climate with mild, humid winters and warm,

dry summers. Seasonal rainstorms occur during the

autumn and spring, and they usually cause spates that

increase stream base-flow. Summer drought can

highly reduce stream flow, causing streambed drying

in the Fuirosos tributary (Acuña et al., 2005; Benejam

et al., 2008; Artigas et al., 2009). The study sites are

\10 km apart within the Tordera catchment, and thus

subject to very similar weather conditions. Therefore,

differences in flow among sites were not caused by

short term weather-related differences, but by differ-

ences in their drainage areas.

La Tordera drains a siliceous catchment with a

total area of 895 km2. The studied permanent reaches

(UP and DW) are located midstream (Fig. 1). Land

uses in the catchment are heterogeneous: while most

headwater valleys (including Fuirosos subcatchment)

are protected and remain forested with little human

activity, the main valley plain is also occupied by

both agricultural and urban areas. These activities

diminish the water quality in the mainstream, mainly

with respect to the high nutrient concentrations

(Table 1).

During the study period, both streams were similar

in habitat. All reaches alternated between riffles and

pools and had similar substrate composition. Reaches

were flanked by riparian vegetation, mainly hazel-nut

(Corylus avellana L.), plane (Platanus acerifolia

Aiton-Willd.) and cottonwood (Populus sp.). The

mean stream width was 5.5–8 m in La Tordera and

3–5 m in Fuirosos. During the study period, none of

the reaches were light limited since leaf emergence

had not yet occurred. Differences in hydrology

were remarkable, and the effect of summer drought

Fig. 1 Location of sampling sites (filled circle) at the

mainstream, La Tordera, and its Fuirosos tributary
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on the remaining flow varied between the streams.

Base-flow in the study sites in La Tordera ranged

from 350 to 660 l s-1 but could be highly reduced

due to summer drought. Pool isolation does not occur

within the reaches studied in La Tordera (Benejam

et al., 2010), whereas the effects of summer drought

on the Fuirosos hydrology were more severe. Base-

flow in the study reaches (5–20 l s-1) could be

reduced to complete streambed drying in the Fuiro-

sos, which can last from July/August to September/

October (Sabater et al., 2001).

Field study

In spring 2007, we sampled two 100-m reaches in La

Tordera, one upstream (UP) and another downstream

(DW) from the confluence with Fuirosos (Fig. 1).

Fish were sampled by electrofishing with a Smith-

Root backpack engine (200–350 V, 2–3 A fully

rectified triphasic DC). Due to low fish occurrence,

six reaches (885 m in total) were sampled in Fuirosos

(F) (Fig. 1) and they were used as replicates to

estimate fish abundance but were pooled as a single

sample for other statistical analyses. In the field, fish

were preserved on ice to avoid digestion of the gut

contents and were later frozen in the laboratory.

Subsequently, they were measured (fork and total

lengths to the nearest 0.5 mm), eviscerated, sexed

and weighed (total, eviscerated and gonadal weight to

the nearest 0.1 mg), and the entire gut was preserved

in 70% alcohol until analysis. Gut contents were

examined under a dissecting microscope. All the prey

present in the gut were sorted, usually to the family

level, counted, and a minimum of 30 individuals (if

available) of each prey taxon were measured with an

ocular micrometer. Measurements were converted to

dry mass according to published length–dry mass

relationships (mainly Meyer, 1989; Stead et al.,

2003). Other food categories (e.g. detritus and plant

debris) were dried until constant weight and weighed

to the nearest 0.1 mg.

Quantitative samples of benthic macroinverte-

brates were also taken from the different sites. We

took three replicate samples from riffles and pools at

the two sites in La Tordera using a 0.1-m2 and 250-

lm mesh size surber. In Fuirosos, five samples were

taken from the dominant substrates, leaves (which

accumulated in pools) and rock substrata (dominant

in riffles) in two of the study reaches. A cylinder of

115 cm2 was used to sample leaf substrata. Entire

cobbles were sampled, and the surface area was

calculated after an empirical relationship using the

three maximum dimensions of the cobbles (Acuña

et al., 2005). All samples were sieved through a

250-lm sieve and immediately fixed in 4% forma-

lin. The differences in macroinvertebrate sampling

Table 1 Physical and chemical characteristics and fork length values from the fish captured at the sampling sites

Fuirosos (F) Tordera upstream (UP) Tordera downstream (DW)

Sub-drainage area (km2) 15.6 152.54 315.04

Flow (l s-1)

Mean/median (range) 49.57/11.49 (0–5,000) 350/60 (0.005–9,690) –

Physical and chemical characteristics

Temperature (�C) 8.4 12.8 14.5

O2 (mg l-1) (%) 10.1 (90.6) 7.5 (87) 8.25 (80)

Conductivity (lS cm-1) 223 308 340

Phosphate (lg l-1) 3.76 340 340

NH4
? (lg l-1) 2.84 360 530

Mean fork length (mm) (range)

Barbus meridionalis 86.81 (45–159) 92.17 (39–197) 82.83 (60–114)

Squalius laietanus 152.21 (86–246) 107.52 (54–252) 114.80 (71–154)

Physico-chemical data from Fuirosos corresponds to the sampling date, while data from La Tordera is the mean value from Spring

2007. The flow data from both streams correspond to the period of 2000–2009. The flow and chemical data from La Tordera were

obtained from the Catalan Water Agency (http://aca.gencat.net:2020/sdim/fillForm.do)
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methods were motivated by the need to maximise

sampling efficiency given the different hydraulic

conditions of the streams. In the laboratory, organ-

isms were sorted and usually identified to the genus

or species level under a dissecting microscope.

Benthic macroinvertebrate biomass was obtained

following prey biomass measurements (see above).

Data analysis

Differences between sites in total macroinvertebrate

density, biomass and individual weights were ana-

lysed by means of one-way analyses of variance

(ANOVA) and differences between sites controlling

for taxon with a two-way ANOVA (with taxon and

site as factors). Quantitative variables were log-

transformed for the analyses to improve the

homoscedasticity and linearity of the data. Macroin-

vertebrate diversity was assessed using Simpson’s

index (D):

D ¼
X

i

niðni � 1Þ
NðN � 1Þ;

where ni is the number of individuals of macroinver-

tebrate type i and N is the total number of macro-

invertebrates (Hurlbert, 1971).

Differences in fish assemblage composition among

the three sites were tested by a v2 test of indepen-

dence. Differences in overall density and mean length

of the fish species between sites were also analysed

by one-way ANOVA. Analysis of covariance (ANC

OVA) was used to compare fish weight, gonadal

weight and ingested gut biomass between the sites,

using fish length as a covariate. Differences in mean

prey weight between the sites were also analysed with

ANCOVA, using fish length as a covariate. We

started with the most complex model, introducing all

possible interactions (including interactions of covar-

iates and factors, following Garcı́a-Berthou &

Moreno-Amich, 1993). The general linear model

was then simplified by removing non-significant

interactions (P [ 0.10). When the covariate was not

significant, it was also removed from the model and

ANOVA was used. All factors were considered as

fixed effects.

We also measured diet diversity (for each fish)

using Simpson’s index. In order to compare diet

composition versus resource availability, we used

Vanderploeg & Scavia’s (1979) relativised electivity

index (E*):

E�i ¼
Wi � ð1=NÞ
Wi þ ð1=NÞ; where Wi ¼

ri=piP
ri=pi

;

where ri is the relative abundance of prey i in the diet,

pi is the relative abundance of prey i in the

environment and N is the number of prey types

included in the analysis. This index ranges from ?1

(positive selection or preference for a certain prey

type in relation to its abundance or availability in the

environment) to -1 (negative selection or avoidance

of a certain prey consumption); values near zero

indicate neutral electivity. The E* index was arcsine

transformed (arcsine H [(Ei* ? 1)/2]) for statistical

analysis, as the homoscedasticity and normality were

clearly improved. To test whether electivity signifi-

cantly deviated from 0, a one-sample Student’s t test

was used. Both electivity and diet diversity were

further analysed with ANCOVA (see above), using

fish length as a covariate.

The statistical analyses of fish data follow our

previous work (e.g. Garcı́a-Berthou & Moreno-

Amich, 2000; Alcaraz & Garcı́a-Berthou, 2007) and

focused on the two most abundant species, Barbus

meridionalis (Risso) and Squalius laietanus (Doadrio,

Kottelat & de Sostoa), which are also dominant in

middle reaches throughout NE Catalonia (Aparicio

et al., 2000). All statistical analyses were performed

with SPSS 15.

Results

Environmental conditions in streams

The different location of the studied reaches within

the catchment resulted in large differences in their

drainage areas (10 and 20 times larger in UP and DW

than F, respectively). Consequently stream flow was

86% lower in F than in UP. Different predominant

land uses at the studied sites were probably related to

physico-chemical parameters in the reaches. Higher

oxygen concentration, as well as lower temperature

and conductivity characterised the intermittent

stream, which is forested and located in a natural

reserve (Table 1). The largest differences between

sites corresponded to their nutrient concentrations,
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phosphorus being 90 times lower, and ammonia

120–185 times lower in Fuirosos than in the others.

Structure of the fish assemblage

The fish assemblages in all the sites were dominated

by the Mediterranean barbel (Barbus meridionalis)

and chub (Squalius laietanus). However, there

was a significant variation in species composition

(v6
2 = 50.3, P \ 0.0005) between the sites. Eels

(Anguilla anguilla L.) were less abundant in the

intermittent stream, and minnows (Phoxinus sp.)

were only present in the UP site (Fig. 2). Single

individuals of common carp (Cyprinus carpio L.) and

largemouth bass (Micropterus salmoides (Lacepède)

were detected in the intermittent stream. The total

fish density was significantly greater in permanent

sites than in the intermittent site (ANOVA using

the different transects in Fuirosos as replicates;

F2, 9 = 9.41, P = 0.006, Fig. 2).

The mean lengths for most of the fish species were

similar between the sites (ANOVAs, P [ 0.05),

except chub which were larger in the intermittent

stream (F2, 87 = 14.36, P \ 0.0005) (Table 1). The

condition (ANCOVA of total weight with length as a

covariate) of the barbel was significantly lower in the

intermittent stream for both male and female indi-

viduals (Table 2). The condition of the chub was

significantly lower in intermittent stream (Fig. 3).

The same patterns in condition were observed when

eviscerated weight was used instead of total weight.

The gonadal weight (adjusted for length with

ANCOVA) of the chub was the lowest in individuals
from the intermittent stream, especially in the

females (Table 2, Fig. 4). Lower gonadal weights

were also found in male barbels from Fuirosos

(Table 2, Fig. 4). Barbel females were too scarce

for analysis. The total biomass of material in guts

(adjusted for fish length with ANCOVA) was signif-

icantly lower in fish from Fuirosos than in those from

La Tordera. This was true both for barbel and chub

(Table 2, Fig. 5).

Resource availability

Although the total macroinvertebrate density did

not differ significantly between the sampling sites

(ANOVA, F2, 29 = 2.16, P = 0.13), the overall den-

sities at the UP and DW sites were, respectively, 39.0
Fig. 2 Catch per unit effort (CPUE, individuals per meter of

electrofishing transect) of fish at the three sampling sites

Fig. 3 Eviscerated weight–length relationship (log scales) of

barbel (top) and chub (bottom) for the F (filled circle), DW

(open square) and UP (times) sites. Linear regressions are

shown for each site: for barbel, the r2 were 0.994, 0.966 and

0.997 at F (dotted line), DW and UP, respectively; for chub, the

respective r2 were 0.987, 0.978 and 0.995
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and 50.6% higher than those in the intermittent stream

(Fig. 6). Similarly, the macroinvertebrate biomass was

lower in the intermittent stream, despite differences

only being significant between the F and DW

sites (Fig. 6, ANOVA, F2, 29 = 12.1, P \ 0.0005).

Moreover, an analysis of taxonomic groups showed

significant differences in both density and biomass

among the sites (two-way ANOVA, F100, 1473 = 13.0,

P \ 0.0005 and F90, 1334 = 12.0, P \ 0.0005, respec-

tively). Oligochaeta and especially baetid ephemer-

opterans were more abundant in the permanent reaches,

while chironomid larvae dominated in Fuirosos.

The highest contribution to the biomass in the

permanent sites was derived either from ephemer-

opteran larvae or from the crustacean isopodT
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Fig. 4 Gonadal weight–length relationship (log scales) of

female barbel (top) and chub (bottom) for the F (filled circle)

and UP (times) sites. No female individuals for these species

were found in DW. Linear regressions are shown for each site:

for barbel, the r2 were 0.183 and 0.855 at F (dotted line) and

UP, respectively; for chub, the respective r2 were 0.913 and

0.925
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Proasellus sp., which was only present in the

permanent sites. Terrestrial invertebrates were also

important in terms of biomass in the permanent site,

UP. Despite the lower mean biomass per macroin-

vertebrate individual in Fuirosos (Table 3), differ-

ences were not significant between the sites

(ANOVA, F2, 403 = 0.199, P = 0.820). Small-sized

individuals were present in the two streams, although

the largest individuals were found in La Tordera

(Table 3). The macroinvertebrate diversity (Simp-

son’s index) was significantly higher in Fuirosos than

in the other sampling sites (F2, 8 = 5.32, P = 0.034;

Table 3).

Trophic ecology

Overall, the diet diversity in both barbel and chub did

not significantly depend on fish length (ANCOVA,

Fig. 5 Total biomass in the gut–length relationship (log

scales) of barbel (top) and chub (bottom) for the F (filled
circle), DW (open square) and UP (times) sites. Linear

regressions are shown for each site: for barbel, the r2 were

0.315, 0.213 and 0.709 at F (dotted line), DW and UP,

respectively; for chub, the respective r2 were 0.259, 0.139 and

0.720

Fig. 6 Mean macroinvertebrate density (top) and biomass

(bottom) at the three sampling sites. L = larvae, P = pupae,

A = adult, Unid = unidentified. Taxa that accounted for\1%

of the total density or biomass have been pooled into ‘Other’

Table 3 Weight of macroinvertebrate individuals and overall macroinvertebrate diversity (Simpson’s index) found at the three

sampling sites

Site Macroinvertebrate weight (mg) Macroinvertebrate diversity (D)

Mean SEM Range (minimum–maximum) Mean SEM

F 0.87 0.18 (2.13 9 10-5–14.9) 0.86 0.01

Dw 2.80 0.63 (1.50 9 10-6–40.5) 0.84 0.01

Up 1.41 0.43 (9.85 9 10-4–24.9) 0.79 0.03
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F1, 67 = 3.21, P = 0.078) and was significantly lower

in the intermittent stream (ANOVA, F2, 79 = 7.10,

P = 0.001 and F2, 67 = 8.45, P = 0.001 for barbel

and chub, respectively; Fig. 7). The mean prey

electivity was not significantly related to barbel length

(ANCOVA, F1, 1710 = 1.26, P = 0.261) and did not

differ significantly between the sites (ANOVA, F2,

1711 = 1.96, P = 0.14), although the mean value was

lowest in the intermittent stream (Fig. 8). Similarly,

the electivity in chub showed no significant relation to

fish length (ANCOVA, F1, 1516 = 0.85, P = 0.357)

and was significantly lower in Fuirosos (ANOVA, F2,

1517 = 22.40, P \ 0.0005; Fig. 8). At all the sites, fish

showed significantly negative mean electivities

(t tests, P \ 0.001) for benthic macroinvertebrate

species, indicating that the consumption of most of the

potential prey was avoided. Barbel and chub mainly

fed on detritus and chironomid larvae in both streams.

However, a higher proportion of ephemeropterans,

Proasellus and prey from terrestrial origin were also

found in the guts of the permanent stream fish.

Despite the lower mean electivity in Fuirosos, the

mean prey weight for prey consumed by the barbel

was higher in Fuirosos (ANCOVA, F2, 282 = 4.07,

P = 0.018) (1.42 mg ± SD = 6.38) than in La Tor-

dera (0.72 mg ± SD = 1.21 and 0.62 mg ± SD =

1.87 for the DW and UP sites, respectively). However,

these differences were not statistically significant for

chub (ANCOVA, F2, 187 = 0.54, P = 0.58), probably

due to the high variability in the mean prey weight

caused by the occasional presence of large prey such

as salamanders or Oligochaeta (Lumbricidae). The

mean prey weight increased significantly with fish

size in both barbel and chub at all sites (ANCOVA,

F1, 282 = 4.51, P = 0.035 and F1, 187 = 6.87, P =

0.009 for barbel and chub, respectively).

Discussion

Comparing intermittent and permanent reaches

The effects of natural- or human-induced reduction

on water flow and fish communities were analysed by

comparing two permanent reaches and a neighbour-

ing intermittent tributary. The analysis assumed that a

permanent reach would turn into intermittent because

of hydrological alterations as a result of climate

change or water withdrawal. All the reaches sup-

ported the same autochthonous Mediterranean fish

assemblage, and were close enough to minimise

climatic and geologic differences between them.

There were substantial differences in fish condition

and trophic ecology between the fish communities in

the intermittent Mediterranean stream and those in

the neighbouring permanent reaches. The intermittent

stream had lower water flow and dried up in summer

with only a few pools remaining. This stream also

had lower drainage area, temperature or nutrient

concentrations (Table 1). These differences result

from the covariance of many abiotic factors along

environmental gradients in rivers. Intermittent tribu-

taries occur at higher altitude, show lower tempera-

ture, conductivity, and nutrients, and have lower

Fig. 7 Mean diet diversity (Simpson’s index) for barbel and

chub at the three sites. Error bars show the standard error

Fig. 8 Mean electivity values (Vanderploeg and Scavia’s

index) by number for barbel and chub at the three sampling

sites. Error bars show the standard error
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hydraulic connectivity than perennial streams (e.g.

Nilsson et al., 1994; Taylor et al., 1996; Ostrand &

Wilde, 2002; Bonada et al., 2006).

Although differences in fish community could be

related to drought intensity, alternative hypothesis

such as the relevance of decreased habitat or nutrient

availability for fish in the intermittent reaches cannot

be ruled out as regulating factors. Even though

the specific mechanisms that cause the observed

differences between the permanent and intermittent

reaches are ambiguous and would require of an

experimental approach, the comparative results ben-

efit from the large scale and realism of observational

studies (Keddy, 1989) and results are consistent with

changes expected from drought stress.

Differences in the fish assemblage

Fish density was significantly lower in the intermittent

stream, even well after drought had ceased. Davey &

Kelly (2007) and Magalhães et al. (2007) found that

fish density declined with decreasing flow perma-

nence. Fish population recovery depends on the rate

and extent of recolonisation from refugia upon

rewetting, the distance from refugia, and the spe-

cies-specific behaviour (Magoulick & Kobza, 2003;

Davey & Kelly, 2007; Albanese et al., 2009). We

could not isolate water intermittency as the only cause

of diminished fish density in the intermittent stream.

However, a previous study in Fuirosos (Aparicio &

Vargas, 2004) found that despite the availability of

long reaches that were suitable for colonisation, there

was no significant expansion of the fish population

during the wet period after drought. That study

highlighted that although the fish population started

to recover during the flow period, the recovery was

interrupted by the arrival of a new summer drought.

Periods between droughts were insufficiently long for

the fish population to recover from disturbance,

causing the fish density to remain low. It might be

assumed that greater effects on fish populations can be

expected (Nicola et al., 2009) if more intense and

frequent droughts occur in the future. Fish are long-

lived organisms that are sensitive to variations in the

intensity, frequency and timing of drying. Fish may

show a decrease in survival rates due to mismatches

between life-history adaptations (e.g. spawning and

hatching periods) and the intervals in water flow.

Differences in species composition between the

intermittent and the permanent sites were not due to

the most abundant species (Mediterranean barbel and

chub), but were due to the presence of minnows in

one of the permanent sites and, secondarily, to the

lower density of eels in the intermittent stream. These

results contrast with others, which found similar fish

species composition during and after a drought period

(Matthews & Marsh-Matthews, 2003; Aparicio &

Vargas, 2004; Magalhães et al., 2007). Our results

may be partly explained because the minnow is an

introduced species in La Tordera that has expanded in

recent years (Benejam et al., 2010) but has not yet

reached Fuirosos. The long-lasting disconnection

between the intermittent and the permanent streams

would have impeded eel migration upstream towards

Fuirosos.

We observed lower fish condition (chub, barbel) in

the intermittent stream than in the permanent reaches.

These results are consistent with others that observed

that fish condition decreased with either lower

flow or intermittent waters (Torralva et al., 1997;

Vila-Gispert & Moreno-Amich, 2001; Oliva-Paterna

et al., 2003; but see Spranza & Stanley (2000) for the

opposite pattern). Our results also show that the

minimum summer flow values do not only affect fish

autumnal condition (Oliva-Paterna et al., 2003;

Vasiliou & Economidis, 2005), but also effects of

seasonal drought prevail until the following spring.

Therefore, despite the initial recovery in fish condi-

tion in autumn (Oliva-Paterna et al., 2003; Vasiliou &

Economidis, 2005), the repeated seasonal drought in

Mediterranean regions prevents the complete recov-

ery of fish condition in the favourable wet period that

precedes the subsequent drought.

Even though the major resource allocation for

reproductive strategies is a plausible cause for the

reduction in fish condition (Aparicio & de Sostoa

1998; Oliva-Paterna et al., 2003), as the lower gonadal

weight–length relationship obtained in the intermit-

tent stream suggests, reproduction investment may not

be the only cause of lower fish condition. Low flow

periods lead to decreased fecundity and shorter

reproductive period in barbel (Aparicio & de Sostoa

1998). Similarly, recruitment can fail in dry years

(Magalhães et al., 2003, 2007; Matthews & Marsh-

Matthews, 2003) even if high levels of reproduction

occur during an unusually high-flow year (Labbe &

Fausch, 2000; Lake, 2003). Drought may cause delayed
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reproductive effects on fish assemblages, leading to

lower abundance in the following year (Matthews &

Marsh-Matthews, 2003). Moreover, if drying occurs

annually (which is the case for Mediterranean streams),

droughts may have cumulative effects expressed in low

fish densities and limited population recovery. Because

a higher investment in reproduction was not causing the

lower fish condition in the intermittent stream, indirect

mechanisms must be responsible, at least to some

extent, for the low condition.

Stream size differed among permanent and inter-

mittent reaches, the former being *1.7 times wider

than the latter. Although such a difference did not result

in different habitat availability among reaches during

the study period, it could have an indirect effect through

increased drought intensity in the intermittent stream.

Smaller streams are more prone to flow fluctuations

(Medici et al., 2008), and susceptible to suffer more

severe droughts (Sabater & Tockner, 2010). Fuirosos

experienced pool disconnection and almost complete

bed drying (Acuña et al., 2005), while a decreased water

flow during the dry season was never intermittent in La

Tordera reaches. Intermittent streams experience

reduced habitat availability and suitability (Lake,

2003; Dewson et al., 2007) under drought, which might

have negative effects on fish condition.

The increased fish condition in the permanent

reaches could also respond to the higher nutrient

availability in these reaches. Whole stream fertiliza-

tion resulted in increased fish and insect growth via

autochthonous primary production (Deegan & Peter-

son, 1992; Peterson et al., 1993). However, effects on

insect secondary production were only important for

some grazers (the caddisfly Brachycentrus and the

mayfly Baetis) and were not general to the overall

insect community (Peterson et al., 1993). Deegan

et al. (1997) also observed that stream nutrient

addition caused a fivefold increase in chlorophyll

levels but not to total insect abundance, fish growth

being more related with per capita insect availability

than with per capita algal standing stock. Neither

whole stream fertilization experiments conducted in

Fuirosos intermittent stream had bottom-up effects in

its detritus based food web (Sabater et al., 2005).

Although higher macroinvertebrate density and bio-

mass could result from flow permanence (del Rosario

& Resh, 2000; Muñoz, 2003; Halwas et al., 2005) and

nutrient availability (Cross et al., 2006), macroinver-

tebrates from intermittent streams possess life traits

that enable them to cope with streambed drying

(Bonada et al., 2007).

Trophic ecology: effects of drought through food

availability

There was a lower macroinvertebrate density and

biomass in the intermittent stream, as well as a lower

abundance of the more frequently consumed prey

items in the permanent river. These patterns of lower

macroinvertebrate densities and biomass in intermit-

tent streams and after severe droughts have been

described elsewhere (Feminella, 1996; Gasith &

Resh, 1999; del Rosario & Resh, 2000; Muñoz,

2003, Acuña et al., 2005; Halwas et al., 2005; Bêche

et al., 2006). In addition, macroinvertebrate taxa were

generally smaller in the intermittent reach (e.g.

Oulimnius and chironomid larvae, nematodes and

Hydra sp.) than in the permanent ones (e.g. baetid

larvae, Proasellus and lumbriculids). This finding is

consistent with the observations of Chadwick &

Huryn (2007). The combination of the small size and

the lower density of invertebrates likely indicate

resource limitation for predators (Zaret & Rand,

1971; Oliva-Paterna et al., 2003; Nunn et al., 2007).

This possibility was confirmed by the lower ingested

biomass in guts of both barbel and chub from the

intermittent stream.

Proasellus individuals were only found in the

permanent reaches, and their absence in the intermit-

tent stream might be due to the life-history traits.

Proasellus lacks aerial stages, and its life-cycle lasts

for more than a year (Tachet et al., 2000); streambed

drying would have excluded them from the intermit-

tent stream. This taxon was an important prey item as

indicated by their high biomass in the fish gut

contents. Confounding effects derived from increased

nutrient availability in the permanent reaches on

macroinvertebrate structure cannot be ruled out.

However, the indirect effects of drought (i.e. elimi-

nation of certain prey) are certainly likely determi-

nants for the diminished fish condition in the

intermittent reach.

Although macroinvertebrates had the highest

diversity in the intermittent stream, fish diets were

the least diverse, suggesting that many of the

potential trophic resources available were not actu-

ally used by the fish. Despite mean electivity indices

being negative in the permanent and intermittent

177Reprinted from the journal

Hydrobiologia (2010) 657:167–180

123



streams, the lower values in the latter indicate that

fish either rejected more food categories or that they

had a lower ability to select the available prey.

Rapid changes in macroinvertebrate abundance

follow changes in habitat, food or hydrologic distur-

bance (Bêche & Resh, 2007). However, seasonal

droughts will also affect assemblage composition.

Increased consumer effects with longer drought

duration (Ludlam & Magoulick, 2009) suggest that

the increased drought duration and intensity resulting

from global change may increase pool isolation and

streambed drying. There is therefore a hydrological

threshold for some invertebrate species, either

directly, through a mismatch between species life-

cycle and hydrology (Lytle & Poff, 2004; Statzner

et al., 2004), or indirectly, through increased compe-

tition for resources or predation.

In the predicted scenarios of climate change, with

reduced summer precipitation and increased temper-

atures over Europe, droughts in Mediterranean regions

are expected to start earlier in season and increase in

duration (Beniston et al., 2007). Direct pressures of

climate change on river intermittency will probably be

exacerbated by human water demand (Arnell, 1999a;

Benejam et al., 2010), and therefore many perma-

nent streams could become more intermittent. The

observed differences between intermittent and perma-

nent streams provide insight about larger-scale impacts

of global change on the inhabiting biota. In this study,

the intermittent reach exhibited a significantly lower

fish density, as well as reduced condition and repro-

ductive investment, than the permanent river reaches.

Further, there was lower prey availability and signif-

icantly lower food biomass in the gut of fishes

inhabiting the intermittent stream. Diminished prey

availability may be responsible for the lower fish

condition in the intermittent stream. Therefore, not

only would the direct effects of drought on fish

condition be important, but also the indirect bottom-

up effects resulting from changes in resource

availability and suitability.
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Acuña, V., I. Muñoz, A. Giorgi, M. Omella, F. Sabater &

S. Sabater, 2005. Drought and postdrought recovery

cycles in an intermittent Mediterranean stream: structural

and functional aspects. Journal of the North American

Benthological Society 24: 919–933.

Albanese, B., P. L. Angermeier & J. T. Peterson, 2009. Does

mobility explain variation in colonisation and population

recovery among stream fishes? Freshwater Biology 54:

1444–1460.

Alcaraz, C. & E. Garcı́a-Berthou, 2007. Food of an endangered

cyprinodont (Aphanius iberus): ontogenetic diet shift and

prey electivity. Environmental Biology of Fishes 78:

193–207.

Aparicio, E. & A. de Sostoa, 1998. Reproduction and growth of

Barbus haasi in a small stream in the N.E. of the Iberian

peninsula. Archiv für Hydrobiologie 142: 95–110.

Aparicio, E. & M. J. Vargas, 2004. Influence of hydrological

variability on fish populations in Fuirosos stream. IV

Trobada d’estudiosos del Montnegre i el Corredor. Bar-
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Abstract Riverine habitats are vulnerable to a host

of environmental stressors, many of which are

increasing in frequency and intensity across the

globe. Climate change is arguably the greatest threat

on the horizon, with serious implications for fresh-

water food webs via alterations in thermal regimes,

resource quality and availability, and hydrology. This

will induce radical restructuring of many food webs,

by altering the identity of nodes, the strength and

patterning of interactions and consequently the

dynamics and architecture of the trophic network as

a whole. Although such effects are likely to be

apparent globally, they are predicted to be especially

rapid and dramatic in high altitude and latitude

ecosystems, which represent ‘sentinel systems’. The

complex and subtle connections between members of

a food web and potential synergistic interactions with

other environmental stressors can lead to seemingly

counterintuitive responses to perturbations that can-

not be predicted from the traditional focus of

studying individual species in isolation. In this

review, we highlight the need for developing new

network-based approaches to understand and predict

the consequences of global change in running waters.

Keywords Climate change � Ecological networks �
Freshwater � Food webs � Global warming �
Invasive species � Hydrology � Stoichiometry �
Streams � Rivers

Introduction

Running waters are among the most heavily impacted

of all natural ecosystems (Ricciardi & Rasmussen,

1999; Sala et al., 2000; Malmqvist & Rundle, 2002).

Eutrophication, pollution, acidification, overharvest-

ing, introductions of exotic species, overabstraction,

and habitat destruction are all well documented

threats to the inhabitants of running waters, and the

goods and services they provide (Carpenter et al.,

1992). Each of these perturbations occurs worldwide,

but often in relatively discrete locales (Malmqvist &

Rundle, 2002). In contrast, the unprecedented

changes in the climate system predicted for the

coming century will have far reaching impacts on

freshwaters on a truly global scale (Parmesan &

Yohe, 2003; Parmesan, 2006), as well as inducing

potentially dangerous synergies with more localised

stressors. For instance, anoxic events in organically

polluted waters will increase in intensity, duration

and frequency as temperatures rise (Matzinger et al.,

2007). Climate change is itself a complex amalgam of
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stressors that include temperature rises, altered

atmospheric and hydrological conditions, and species

invasions (IPCC, 2002, 2007).

Mean global temperatures have increased by 0.3–

0.6�C over the past century, due largely to increased

emissions of carbon dioxide (CO2), methane (CH4)

and other greenhouse gases (IPCC, 2002, 2007). The

biological effects of recent warming on the compo-

sition of riverine communities are becoming increas-

ingly evident through species range shifts and altered

phenologies (Parmesan & Yohe, 2003; Parmesan,

2006; Burgmer et al., 2007), as well as alterations in

the body size distribution within food webs (McKee

et al., 2002; Daufresne & Boet, 2007; Daufresne

et al., 2009).

Mean global temperatures are predicted to rise by

2.8�C (IPCC, 2007 A1B scenario) within this century,

but these effects will not be evenly distributed, with

rates of warming predicted to be especially fast at

high latitudes and altitudes: in Arctic regions, warm-

ing of as much as 4.9�C is predicted over the same

time frame (IPCC, 2007). Glacial systems at high

altitudes are likely to be disproportionately affected,

and cold water stenotherms have already been lost

from some of these areas (Brown et al., 2007). In

some locations reduced and elevated flows are also

predicted during summer and winter, respectively

(Carpenter et al., 1992; Malmqvist & Rundle, 2002),

with summer droughts exacerbating habitat shrinkage

and fragmentation, thereby disrupting food web

linkages and further isolating already vulnerable

populations. In addition, elevated CO2 levels are

likely to alter the quality, quantity and timing of leaf-

litter inputs, which underpin secondary production in

many running waters. These key interlocking com-

ponents of warming, hydrological and atmospheric

changes, range shifts, and species invasions form the

focus of this review.

Running waters are particularly vulnerable to

global change and its associated stressors because

they are relatively isolated and fragmented within

terrestrial landscapes and are already heavily

exploited for the goods and services they provide.

Only 0.006% of the world’s surface is represented by

running waters, yet freshwater ecosystems contain

approximately 6% of all described species (Dudgeon

et al., 2006), many of which have restricted thermal

and hydrological tolerances (Giller & Malmqvist,

2005). Indeed, reported extinction rates of freshwater

fauna in some regions are comparable to those in

tropical rain forests (Ricciardi & Rasmussen, 1999)

and many important components of ecosystem func-

tioning are also threatened (Cardinale et al., 2006).

It is still unclear how the impacts of stressors will

be manifested across different levels of biological

organization, but food webs provide a useful bridge

between individuals (where trophic interactions

occur) and the ecosystems within which they operate.

Few studies have considered the higher levels of

organisation, or the links between levels, hindering

our current ability to predict system-level responses

(Woodward, 2009).

Here, we review the array of effects and potential

consequences of climate change over increasing levels

of biological complexity within a food web context.

We discuss the effects of global warming, alterations in

hydrology and changes in atmospheric CO2, in turn.

Within each of these three topics, we first discuss the

nodes (species populations), then links (trophic inter-

actions) and finally the topology and dynamics (com-

munity structure and ecosystem functioning) of the

trophic network. We also comment on other drivers of

change, including species invasions and the potential

for synergies to arise between them and other compo-

nents of global change. Finally, we propose that

allometric scaling (Peters, 1983; Brown et al., 2004)

coupled with ecological stoichiometry (Sterner &

Elser, 2002) can provide new integrative theoretical

frameworks that link multiple levels of organisation

and that can provide a more mechanistic and hence

predictive approach.

Global warming

An individual’s metabolism is determined by its

metabolic strategy (e.g. endothermic vs. ectothermic)

and scales allometrically with body size and expo-

nentially with environmental temperature (Peters,

1983; Brown et al., 2004; Fig. 1a). Since ectotherms

represent approximately 99% of all freshwater spe-

cies (Parmesan & Yohe, 2003) global warming will

have particularly profound impacts on individual

metabolism and, by extension, the physiology, bio-

energetics, behaviour, abundance and distribution of

species populations, with consequences for food web

structure and dynamics (Ings et al., 2009; Woodward,

2009).
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Migrate, adapt or perish: the role of body size in a

warming climate

The ability of ectotherms to operate at different

temperatures is described by thermal performance

curves (Huey & Stevenson, 1979), which are

optimised within a particular temperature range for

each species (Vannote & Sweeney, 1980). The

proximity of a species to its thermal optimum will

determine the direction and magnitude of its

response to warming (Thomas et al., 2004; Deutsch

et al., 2008), which will force many species to live

for periods in sub-optimal conditions, thus impairing

individual physiological performance and compro-

mising the population’s longer term viability

(Thomas et al., 2004). Each species within a

community will have to migrate, adapt or face the

consequences of warming, with species that are

large, rare and high in the food web being especially

vulnerable to local extinction (Petchey et al., 1999;

Raffaelli, 2004). Tropical species might be espe-

cially susceptible in this context, because they tend

to have narrower temperature envelopes; an adapta-

tion to lower seasonal and inter-annual variability

(Deutsch et al., 2008).

The ability to adapt to warmer conditions tends to

be greatest among smaller species, which have large

population sizes and fast generation times (Reiss &

Schmid-Araya, 2008). For example, a flagellate

population with a generation time of 4 days can

undergo more than 4,500 generations in just 50 years.

Many micro-organisms have resting stages (cysts

[Protozoa] or spores [diatoms]) which can lie dor-

mant for many years, in addition to having large

population sizes and high dispersal ability (via water,

air or animal vectors), leading some to speculate that

most species \1 mm in length can be found almost

anywhere on the planet (Finlay, 2002; Finlay &

Esteban, 2007), if local conditions are suitable (but

see Mann & Droop, 1996; Foissner, 1999; Hillebrand

et al., 2001). Clear differences in large-scale biogeo-

graphical patterns are evident between small and

large species (Hillebrand & Azovsky, 2001), but

whether the distribution of small species is truly

global or not, it is highly likely that many of the

‘cryptic taxa’ that are usually hidden within the ‘seed

bank’ will manifest themselves as local environmen-

tal conditions approach their thermal optima (Finlay

& Esteban, 2007).

For many small organisms vector-mediated dis-

persal enables them to traverse huge distances, as

noted by Darwin, who observed that newly hatched

molluscs could survive on ducks’ feet in damp air for

up to 24 h, ‘in this length of time a duck or heron

might fly at least six or seven hundred miles…[and]

would be sure to alight on a pool or rivulet’ (Darwin,

1920, p. 324).

Higher in the food web, the insects that dominate

the macrofauna of most running waters have an

active aerial dispersal phase as adults. Whilst only a

few gravid female insects might be required to

populate a water body (Hildrew et al., 2004; Petersen

et al., 2004), physical barriers such as mountain

ranges or straits between islands might be sufficient

to prevent this (Milner et al., 2008) if rates of

warming are sufficiently fast.

Some local food webs have the potential to at least

partially compensate for species loss via the gain of

new species, as species track suitable thermal condi-

tions through range shifts. However, on a global scale

warming is likely to lead to an overall loss of

biodiversity, as these ‘replacements’ will be largely

absent in tropical locations and at higher latitudes and

altitudes endemic cold-stenothermal specialists close

to their physiological limits will be squeezed out as

temperatures continue to rise (Brown et al., 2007).

Such effects might be particularly marked for large

species at the top of food webs such as fishes, which

have limited dispersal ability relative to micro-

organisms and flying insects. Cold stenotherms, such

as Arctic Charr (Salvelinus alpines), that inhabit

isolated waterbodies are in a particularly precarious

position (Rouse et al., 1997). Sweeney et al. (1992)

suggest a 4�C increase in stream temperatures

requires a 680 km northward range shift to maintain

populations within their current thermal regime, a

huge challenge for many freshwater species.

Body size, temperature and interactions in space

and time

The differential abilities of species to persist within

changing ecosystems suggest that many local food

webs will undergo radical restructuring. In addition to

range shifts, food web linkages may be disrupted by

phenological mismatches between consumer and

resources (Durant et al., 2007). In Lake Washington,

Winder & Schindler (2004) found spring thermal
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stratification occurring approximately 21 days earlier

in 2002 than in the 1960s, with the phytoplankton

bloom shifting accordingly, whereas the consumers

Daphnia spp., who did not respond similarly, became

increasingly unable to exploit peak food availability.

In running waters asynchronous phenological

responses to warming could be just as dramatic,

given that most macrofaunal taxa are insects with an

ephemeral adult phase and emergence is driven by

photoperiod and temperature.

Trophic interactions and hence the structure of

food webs in freshwater systems are largely deter-

mined by the respective sizes of both consumers and

resources, as many consumers are gape limited and

thus consume resources smaller then themselves

(Woodward et al., 2005b; Beckerman et al., 2006;

Petchey et al., 2008). Interaction strengths scale

allometrically with the ratio of predator/prey body

mass (Emmerson et al., 2005a; Brose et al., 2006;

Berlow et al., 2009) because ingestion rates, attack

rates and handling times scale with predator size.

Since the metabolism of ectotherms is also deter-

mined by temperature, warming might have marked

influences on both the occurence and strength of

consumer–resource interactions (Fig. 1a). Since

many of the components of foraging behaviour are

temperature dependent (Persson, 1986; Woodward &

Hildrew, 2002), marked changes in the patterning and

strength of interactions in these food webs are likely

to arise, with potentially important consequences for

the dynamic stability of these food webs (McCann,

2000; Neutel et al., 2002, 2007).

Basal resources

(a) Global warming (b) Altered hydrology (c) Elevated CO2
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Fig. 1 Conceptual figure highlighting common characteristics

of freshwater food webs and how components of climate

change may affect these attributes. Top panel: an example of a

highly-resolved stream food web, redrawn after Woodward

et al. (2008). Arrows highlight hypothetical changes in body

size, abundance and nutritional quality with trophic position.

a The effects of global warming on the basal metabolic rates

for large, intermediate and small-sized individuals, on log–log

scales. Metabolic demands increase with temperature and are

higher for larger individuals in the food web. b The effects of

habitat fragmentation on the abundance of different-sized

species. Large species are disproportionately affected due to

greater home ranges, limited dispersal ability, and reduced

scope for adaptation. c Increasing levels of CO2 and

nutrient:carbon ratios for different trophic levels. Imbalances

between consumers and resources arise via decreased nutrient:

carbon ratios among basal resources and strict homeostasis by

consumers
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Biodiversity, food web stability and ecosystem

functioning

A few recent studies have examined the effects of

warming on the higher levels of organisation,

including its potential to modulate biodiversity–

ecosystem functioning relations. Petchey and co-

workers (Petchey et al., 1999; Petchey, 2000), who

pioneered much of this field using experimental

protist assemblages in microcosms to study trajecto-

ries of community change and food web responses to

warming, found that large, rare species (i.e. top

predators and herbivores) were most prone to

extinction, and assemblages became dominated by

smaller, more abundant autotrophs and bacterivores.

They also found that more diverse communities were

more resilient, lending support to the insurance

hypothesis (Yachi & Loreau, 1999).

The use of long-term data series over thermal

gradients, provides a complementary approach to

studying whole system responses. Burgmer et al.

(2007) for instance found significant compositional

changes in macroinvertebrate communities in

response to warming in Swedish lakes and rivers

since the 1990s. Durance & Ormerod (2007) detected

declines in macroinvertebrate species richness and

spring abundances as temperatures have risen over a

25 year period, and similar trends have also been

reported in both surveys and field experiments

(Mouthon & Daufresne, 2006; Hogg & Williams,

1996). These studies suggest that surprisingly dra-

matic biotic responses to warming can arise even

over relatively small temperature gradients of just a

few degrees.

Changes in the abundance, composition and

diversity of species have implications for food web

stability and the fluxes of resources through the web

as a whole (i.e. ecosystem processes). Many theoret-

ical studies have highlighted how weak interactions

in food webs dampen the effects of destabilising,

strong interactions (McCann, 2000; Neutel et al.,

2002, 2007) and as interaction strength is related to

body size of consumers and resources, any alterations

in the size structure of the food web due to warming

will have consequences for its stability. Species loss

(or gain) has further implications for the overall

functioning of the ecosystem, as species richness is

positively correlated with many key ecosystem

processes (Doak et al., 1998; Yachi & Loreau,

1999; Cardinale et al., 2006).

Biogeographical patterns: the distribution of body

size in freshwaters

A common approach used to anticipate the effects of

warming and resultant changes in freshwater com-

munities is to infer patterns from large scale natural

gradients in temperature. The effects of environmen-

tal temperature on body size have been studied for

over 100 years (Bergmann, 1847), with individuals

tending to be smaller in warmer climates (i.e. at lower

latitudes). For ectotherms this has been attributed to

the temperature-size rule, where individuals at warm

temperatures typically mature at a smaller maximum

size due to differential temperature dependencies of

catabolic and anabolic processes (Atkinson, 1994).

McKee et al. (2002) showed experimentally that the

maximum adult body size of two cladoceran species

was reduced by a 3�C year-round temperature rise,

and a long-term study in three French rivers revealed

a reduction in the mean body size within fish

populations over the last 25 years as temperatures

have risen (Daufresne & Boet, 2007). In the latter

study, there were additional increases in the propor-

tion of ‘southern’ species, which also led to reduced

mean body size in the fish assemblage as a whole.

This phenomenon, if widespread, could represent a

fundamental biological response to warming (Dau-

fresne et al., 2009) that may prove critical to

understanding (and predicting) the impacts of global

warming on local communities (Millien et al., 2006).

If elevated temperatures benefit the small, as appears

to be the case (Daufresne et al., 2009), resultant shifts

in the distribution of body size at the community (i.e.

the food web) level has serious implications for the

dynamic stability and maintenance of ecosystem

functioning in these systems (Fig. 1a).

Model systems at high latitudes and altitudes

for studying warming effects on food webs

Warming is predicted to be especially pronounced in

high altitude and/or latitude systems (IPCC, 2007),

where it is expected to have particularly marked

effects on the biota (Wrona et al., 2006; Heino et al.,

2009), for several reasons: first, these areas often
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have low organismal density, low species diversity

and organisms with slow generation times, so there is

less scope for adaptation; second, many organisms

are close to the edge of their physiological tolerance;

third, these habitats will shrink and become increas-

ingly fragmented as warming proceeds, reducing the

regional pool of cold-water refugia. The latter point is

highlighted by research carried out in glacial-fed

streams in Alaska (Milner et al., 2000; Milner et al.,

2008). Long-term datasets (c. 40 years) of commu-

nity assembly in a few model systems, in addition to

snapshots of more extensive space-for-time surveys

across multiple sites, have revealed clear patterns of

food web assembly and the increasing importance of

cross-system subsidies, such as the supply of marine-

derived nutrients to streams and ultimately their

neighbouring terrestrial ecosystems, as glaciers have

retreated (Milner et al., 2000; Allan et al., 2003;

Wipfli et al., 2003).

Another approach is to make use of ‘natural

experiments’, such as the temperature gradients that

can be found in geothermally or tectonically heated

areas at high latitudes. One example comes from

recent study in a set of streams in a single

geothermal catchment in Iceland, which range from

about 5–25�C but which are all connected to the

same mainstem and have no confounding differ-

ences in water chemistry across the thermal gradient

(Friberg et al., 2009; Woodward et al., 2009). In the

warmer streams the herbivore assemblage is dom-

inated by large-bodied and very efficient grazers, in

the form of the snail Radix peregra, whereas in the

colder streams this niche is occupied by small

chironomid midge larvae, some of which are

specialist cold stenotherms (Woodward et al.,

2009). Decomposition of terrestrial-derived detritus

and algal production were faster (Fig. 2a–c, respec-

tively) and top-down control of algae by grazers (i.e.

interaction strength) was stronger in the warmed

streams (Friberg et al., 2009). Fish were also more

abundant and larger and food chain length (mea-

sured via stable isotope analysis) increased with

temperature (Fig. 3; Woodward et al., 2009). Essen-

tially, the key process rates and fluxes of energy

between trophic levels ran faster in the warmer

streams, with taxonomic community changes across

the thermal gradient also representing marked

‘functional shifts’ in the food web.

Altered hydrology and habitat fragmentation

The effects of drought and consequent habitat

fragmentation are additional, but still poorly under-

stood, stressors associated with climate change in

many fresh waters (Carpenter et al., 1992). For

example, small headwater streams in Europe with a

warm, rainy climate are predicted to experience

reduced flows and thus greater habitat fragmentation

in summer over the coming decades (e.g. examples in

Malmqvist & Rundle, 2002; Giller & Malmqvist,

2005).

Longer term oscillations in the climate also play a

role here, such as the decreases in magnitude, duration

and frequency of critical flows observed in a floodplain

in Montana that tracked the warm phases of the Pacific

decadal oscillation (PDO, warm and cold surface

waters of the Pacific Ocean oscillating in a 20–30 year

pattern) (Whited et al., 2007). Similarly, the El Nino-

Southern Oscillation (ENSO) and the North Atlantic

Oscillation (NAO) influence the hydrology of many

running waters (see Malmqvist & Rundle, 2002). Since

the hydrology of a stream or river depends on the

climate, basin geomorphology and geology (Giller &

Malmqvist, 2005) and the source of its base flow (i.e.

from a lake, groundwater, rainfall and snow or ice melt)

the effects of climate change will be somewhat system-

specific. Reduced snow and earlier melting in glacier

fed rivers, could shift the peak runoff into a different

season (Barnett et al., 2005), whereas in other systems

dominated by rainfall inputs, reduced precipitation and

increased evaporation can result in drought and

temporary fragmentation of the stream or river, with

concomitant shifts in community structure (Ledger &

Hildrew, 2001).

Isolated nodes in fragmented habitats

Many freshwater species have mechanisms to cope

with at least some degree of hydrological change and

recovery from temporary droughts can be rapid

because some species remain in the dry stream

surface and others recolonise the rewetted stream

from refugia within or linked to the main channel

(Ledger & Hildrew, 2001; Rundle & Robertson,

2002). The rate of recovery is thus coupled to the

number, size and connectivity of these refugia within
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a system, in addition to the mobility or resistance of

potential recolonists (Boulton, 2003). The organisms

that can best withstand dry conditions are the smaller

taxa with resting phases: mostly bacteria, protists,

meiofauna or mesozooplankton at the base of the

food web (Rundle & Robertson, 2002). Ledger &

Hildrew (2001) investigated the algal assemblage in a

small headwater stream after a drought and found that

viable cells remained attached to the dry substratum

despite 9 weeks of drying and algal biomass

increased rapidly after rewetting. Macroinvertebrates

can colonise new stream sections via drift from

upstream sections, or by active dispersal upstream of

the flying adults (Milner et al., 2000, 2008). This

potential for rapid recovery is illustrated clearly by

two studies, in which artificial stream channels

connected to a lowland chalk stream were colonised

by 127 macrofaunal taxa within 2 years (Harris et al.,

2007) and in the second case the total number of taxa

in the Little Stour in England increased from 60 to 80

over 3 years following a severe drought (Boulton,

2003).

However, certain taxa, including the vast majority

of fish species, depend on a connected network of

streams for migration and droughts represent a

considerable threat to their ability to maintain viable

populations. Although fish might typically migrate

downstream when drought occurs in the headwaters

(Giller & Malmqvist, 2005), protracted droughts

could severely threaten reproductive success and the

availability of habitat. Fish migration within river

systems is also further restricted by habitat fragmen-

tation caused by man-made obstacles (Zwick, 1992),

and this could be exacerbated if localised droughts

are induced by global climate change. When streams

become fragmented into separate pools as result of

drought, these might allow the survival of some of the

more ‘lentic’ species (Boulton, 2003), but not of

those that require a larger home range or fast flowing

water (Fig. 1b).

Fig. 2 Rates of ecosystem processes in 10 Icelandic streams

varying in temperature, during a 28-day experimental period.

a Leaf litter breakdown rates in fine mesh, b accompanying

coarse mesh bags and c algal biomass accrual on nutrient

diffusion substrates (between different nutrient substrate

treatments) as a function of temperature. Figure redrawn from

Friberg (2009)
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Hydrological disturbances: effects on links,

chains and food webs

Changes in hydrology can alter the relative abun-

dance of species and promote shifts in dominance.

These responses will depend on the initial species

pool, because species exhibit different resistance or

resilience strategies. Ledger et al. (2008) induced

droughts of different length and frequency on artifi-

cial stream channels and found that in the absence of

disturbance the algae biofilm was dominated by green

encrusting algae. However, droughts reduced the

dominance of these crust-forming species by opening

space for an assemblage of mat-forming diatoms,

although the establishment of the latter depended to a

large extent on priority effects: i.e. which species

were present before the experiment. These findings

imply that trophic links between basal resources and

primary consumers could be altered profoundly

and that changes in hydrology will alter food chains

and energy fluxes to the higher trophic levels.

There will be winners and losers associated with

low flows and drought: large species at the top of

food webs appear most vulnerable and are likely to be

lost first, whereas small cryptic species with resting

stages might even benefit from changed conditions

(Fig. 1b). However, predictions to changes within

communities are likely to be complicated by changes

in biotic interactions within the wider food web

(Hannah et al., 2007).

In addition to a general increase in summer

droughts in temperate regions, climate change is also

predicted to increase the frequency and magnitude of

winter spates and floods (IPCC, 2007; Malmqvist and

Rundle, 2002). An increase in flows during these

periods provides an additional selection pressure on

riverine biota that is diametrically opposed to the

adaptations required to survive summer droughts.

High flows could exceed the ability of many organ-

isms to persist, especially if they lack traits to resist

such conditions (e.g. extreme streamlining, hooks and

grapples; Giller & Malmqvist, 2005) or if the system

has few flow refugia (Gjerløv et al., 2003).

Attempting to withstand the current is one tactic

for coping with increased flows; escaping or avoiding

the current is another. Flow refugia may provide

protection from high intensity but short-term distur-

bances, with dispersal in space among and within

various habitats types reducing the risk of population

extinctions (Hildrew & Giller, 1994; Gjerløv et al.,

2003). Thus, flow refugia are likely to become

increasingly important for the resilience of many

species in a more variable climate, but their provision

is dependant upon the system’s physical and hydro-

logical heterogeneity, both of which have often been

compromised by additional anthropogenic influences,

such as river engineering (Zwick, 1992). Under

extreme flow events habitat refugia can be com-

pletely wiped out, such as the loss of whole riffle

habitats, which can reduce consumer populations,

thereby weakening top-down control within the food

web (Riseng et al., 2004).

Although some level of disturbance may even

enhance biodiversity (and ecosystem functioning) on

a local scale, in line with the intermediate disturbance

hypothesis, the key question is whether these mech-

anisms can still operate when the frequency of

hydrological change exceeds the tolerances of key

taxa within the food web.

Elevated CO2

Atmospheric CO2 concentrations are predicted to

nearly double to *740 ppm by the end of the century

Fig. 3 Shifts in trophic height of the top predator (brown trout,

Salmo trutta) across a temperature gradient in Icelandic

geothermal streams, expressed as the difference in its d15N

isotopic signature from that of a prey species (Simulium
vittatum) common to each of the eight streams within a single

catchment where fish were present. The dashed line represents

a difference of one ‘trophic level’, assuming d15N fraction-

ation of 3.4%. Redrawn from Woodward et al. (2009)
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(IPCC [A1B scenario]), and because its aqueous

concentration is regulated by complex chemical,

geological and biological processes, in addition to

physical gas exchange at the water surface (Wetzel,

2001), a wide range of effects are likely to be

manifested in running waters.

Altered carbon:nutrient ratios in basal resources

The ecotone between the stream and the riparian

zone is an area of intense biogeochemical activity

(Carpenter et al., 1992). Elevated CO2 levels may

stimulate terrestrial primary production (Cotrufo

et al., 1998; Norby et al., 2001), thereby increasing

the quantity of detrital inputs to running waters and

hence the degree of heterotrophy. The nutritional

quality of these resources should decline, however, as

the accumulation of carbon under elevated CO2

conditions dilutes concentrations of nitrogen in plant

tissues, thereby increasing foliar C:N ratios (Norby

et al., 2001; Graca et al., 2005; Fig. 1c), which are

important drivers of decomposition rates in streams

(Hladyz et al., 2009).

Although many plant species can acclimatize to

elevated CO2 relatively quickly, others may maintain

elevated growth rates (Cotrufo et al., 1998). Some

species are therefore likely to gain a relative

competitive advantage as the atmosphere changes,

resulting in shifts in the composition of the riparian

vegetation that fuels many stream food webs over and

above those predicted due to biogeographical species

range shifts due to warming (Fig. 4).

Elevated CO2 could also induce similar changes in

autochthonous basal resources, because like terres-

trial plants, freshwater algae increase photosynthetic

rates in response to dissolved CO2 (Urabe et al.,

2003). Algal nutrient content is strongly affected by

the balance of light and nutrient supplies and, as

photosynthesis and nutrient uptake are not perfectly

coupled, altered CO2 concentrations could influence

the balance of algal carbon fixation relative to N and

P (Fig. 1c). Some recent evidence supports this

notion: elevated CO2 resulted in increased algal C

assimilation relative to P absorption resulting in

elevated high C:P ratios (Urabe et al., 2003). Further

investigation into the generality of this effect is

required, however, because algal primary producers

can differ markedly in their mechanisms of carbon

accumulation.

Consumer–resource stoichiometric imbalances

Primary consumers typically contain greater ratios of

C to N (or P) and exhibit less variation in their

elemental composition of CNP ratios than do the

basal resources (Cross et al., 2006; Hladyz et al.,

2009; Fig. 1c). Stoichiometric differences among

consumers species from the same functional group

are small (Fig. 5) and nutrient content tends to vary

with trophic position and taxonomy: predators are

typically the most nutrient rich (vertebrate followed

by invertebrate) then primary consumers (herbivores

followed by detritivores), and finally basal resources

(Cross et al., 2003, 2006; Frost et al., 2006).

(a)

(b)

Fig. 4 Averaged leaf N:P ratio in relation to a absolute

latitude and b mean annual temperature, for over 875 terrestrial

plant species. Open circles correspond to common riparian

vegetation to central Europe and North America. Solid lines
represents regression fits a r2 0.24, P \ 0.0001, n 878, and b r2

0.31, P \ 0.0001, n = 894). Redrawn with kind permission

from Reich & Oleksyn (2004)
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Stoichiometric imbalances (i.e. where consumer

ratios differ from those of their resources) suggest

that consumer growth and production is tightly

constrained by the nutrient content of their food,

in particular by the most scarce element (Fig. 5).

The consequences of these imbalances have been

addressed extensively in freshwaters, but predomi-

nately in phytoplankton–zooplankton lake communi-

ties (Sterner & Elser, 2002). More recently, a few

studies have addressed mismatches in benthic com-

munities of streams and rivers (Cross et al., 2003;

Frost et al., 2006; Hladyz et al., 2009) where the

effects of reduced resource quality of terrestrially

derived resources could be especially pervasive.

Hladyz et al. (2009) showed that breakdown rates

of leaf litter by stream detritivores declined as

imbalances widened and resource quality fell

(Fig. 5). The authors concluded that breakdown was

driven by the biochemical traits (rather than taxo-

nomic identity per se) of the terrestrial flora. Similar

experiments have also emerged addressing changes in

nutrient content of leaf litter following CO2 enrich-

ment. Higher C:N, total phenolic compounds and

lignin content of Populus tremuloides grown under

doubled CO2 conditions resulted in 59% lower

bacterial production (Tuchman et al., 2002). Reduced

quality of litter and bacterial biomass greatly

impacted the primary consumers (craneflies), which

consumed and assimilated less, and grew 12 times

slower than on ambient-grown leaf litter. In a similar

experiment mosquito larvae showed increased mor-

tality and delayed larval development on leaf litter

grown under elevated CO2 (Tuchman et al., 2003).

Such findings question the ability of species to

display homeostatic regulation, whereby elevated

C:N and C:P ratios among basal resources force

consumers to feed faster to extract the same amount of

nutriment (Sterner & Elser, 2002). Aquatic detritivores

thus appear unable to elevate consumption rates to

meet homeostatic demands, at least in the time scales

of short-term laboratory studies (Tuchman et al., 2002,

2003).

Similar effects might also arise in autochthonous-

based food chains: Urabe et al. (2003) showed the

growth of planktonic herbivore Daphnia pulicaria,

slowed when fed with algae grown under elevated

pCO2. Similarly, although not manipulating changes

in CO2 conditions directly, Stelzer & Lamberti

(2002) found that the snail Elimia livescens grew

40–66% faster on periphyton with high P content but

that they did not actively compensate for the lower

quality food by increasing ingestion rates. When

faced with resources varying in quality, generalist

consumers may therefore display adaptive foraging.

Kominoski et al. (2007) showed that crayfish

(Orconectes virilise) fed faster on the higher-quality

periphyton that grew using DOC from trees (Populus

tremuloides) reared under ‘ambient’ conditions, than

on periphyton reared under elevated CO2.

Dynamic stability of allochthonous

and autochthonous pathways

Since increases in productivity and decreases in the

quality of basal resources has profound implications

for the nodes (e.g. population production and growth

rates) and the pattering and strength of interactions

(consumer-resource stoichiometric imbalances and

ingestion rates) such changes will influence the

dynamic stability and fluxes of energy through the

food web. Despite the current scarcity of literature,

we can make some cursory assessments and tentative
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Fig. 5 CNP (C:N, C:P and N:P) ratios in leaf-litter and

consumer body tissues, illustrating stoichiometric consumer–

resource imbalances among 15 leaf types (species or cultivar

varieties) of varying resource quality and the four dominant

shredder species (grey bubbles, within dotted ellipse). Note

axes are log-transformed, and the area of each circle is

proportional to log10 N:P. Redrawn from Hladyz et al. (2009)
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predictions of the effects of elevated CO2 at these

higher levels of organisation.

Whilst few studies have addressed greater amounts

of terrestrial inputs expected with increasing CO2

directly, Wallace et al. (1997) conducted a 3-year

study of the effects of litter exclusion on a benthic

stream food web, which induced a strong bottom up

suppression of consumer populations. Consequently,

increased litter inputs due to CO2 enrichment might

increase secondary production, diversity, and hence

stability, by favouring ‘slow’ detrital-based pathways

within the food web (Rooney et al., 2006). If,

however, elevated CO2 favours the relative impor-

tance of autochthonous algal-based pathways in the

food web, due to greater carbon availability, and if

facultative herbivore–detritivores switch to the more

nutritious algal resources, this could potentially

weaken the stabilising effect of detrital-based path-

ways (Rooney et al., 2006). This could create an

indirect feedback onto the algal-based pathways, as

detrital subsidies sustain consumers at higher densi-

ties than would otherwise be possible if they fed

exclusively on algae.

Emmerson et al. (2005a) used a modelling

approach to simulate a scenario of CO2 enrichment

on simple food chains. They assumed that elevated

CO2 increases productivity yet decreases the food

quality of autotrophs. Consumption rates of primary

consumers were fixed to resemble homeostasis, i.e.

consumption rates increase to compensate for a

decrease in resource quality. Finally, primary con-

sumers were eaten by an omnivorous predator

species. The authors found that these assumptions

had implications for the persistence of food chains.

Herbivores increased their consumption rates to

compensate for reduced resource quality, and the

rise in interaction strengths destabilised the system, in

line with the predictions of food web theory (cf.

Neutel et al., 2002).

An alternative scenario could arise if consumers

do not elevate feeding rates in response to lower

quality food, in which case they must either adapt to

lower nutrient levels or face increased metabolic

costs of nutrient acquisition (Fig. 1c). Whilst some

evidence suggests certain taxa might be capable of

deviating from strict homeostatis (Cross et al., 2003;

Rothlisberger et al., 2008), the overriding view

(Stelzer & Lamberti, 2002; Sterner & Elser, 2002;

Tuchman et al., 2002, 2003; Urabe et al., 2003) is that

consumers maintain fairly rigid inherent stoichiom-

etric ratios: i.e. they should experience elevated

metabolic costs associated with elevated CO2 condi-

tions, resulting in slower growth rates. However,

further research is required to test the generality of

this observation.

Range shifts and species invasions

Species range shifts and invasions associated with

global change will be overlain on changes in the

physicochemical environment, imposing additional

biotic stressors upon freshwater food webs. For

instance, in addition to any potential changes to

stoichiometric imbalances resulting from atmospheric

change, differential range shifts of consumers and

resources are likely to lead to altered elemental fluxes

through stream food webs. C:N:P ratios differ among

terrestrial vegetation types over large spatial scales,

and this subsidy fuels much of the secondary

production in headwater streams (Wallace et al.,

1997; Woodward et al., 2005b). In a large scale meta-

analysis, Reich & Oleskyn (2004) highlighted that

concentrations and ratios of key nutrients, nitrogen

(N) and phosphorous (P) in leaf material tend to

decrease with increasing latitude (Fig. 4a) and thus

increase with temperature (Fig. 4b). The mechanistic

basis of this has been ascribed to geographical

gradients in soil substrate age and physiological

stoichiometry, whereby elevated N and P in plants at

higher latitudes might result from the requirements

for rapid growth during the short growing season. N

and P are associated with proteins and ribosomal

RNA, both of which are fundamental apparatus for

somatic growth (Sterner & Elser, 2002). Therefore,

elevated N and/or P relative to C in plants adapted to

high latitude conditions might result from increased

allocations to these subcellular structures to achieve

rapid growth in a short time. Thus, range expansions

by ‘southern species’ in response to warming will be

constrained to some extent by predetermined soil

conditions and physiological adaptations to local

climate. A change in the identity of riparian vegeta-

tion and/or nutritional quality (Fig. 4) has potentially

far reaching implications for riverine communities.

Reduced quality of basal resources could impair in-

stream rates of decomposition and secondary

production across the food web as a whole. In
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addition, consumer populations might also be pre-

adapted to the taxonomic identity and quality of local

terrestrial inputs (Carpenter et al., 1992), further

inhibiting the efficiency of energy transfer through

the food web if the basal resources change.

New consumer species that are able to exploit the

predicted changes in temperature, shorter duration of

ice cover and altered hydrology could become

increasingly familiar colonists of riverine food webs

in the coming decades, as has been predicted for

warmwater fishes in North America and Europe,

which are expected to expand their ranges northwards

as cold waterbodies warm (Rahel & Olden, 2008).

Within a relatively short space of time we could

witness a weakening, or even breaking, of many

contemporary food web linkages, as colonisation

rates will differ among species (and trophic position),

in a manner that is somewhat analogous to pheno-

logical mismatches—except that in this instance the

mismatch arises from an interaction between tempo-

ral and spatial dimensions.

The differential dispersal abilities of species and

source-sink dynamics come into play here. If micro-

scopic taxa are effectively a large global diaspora, as

suggested by Finlay & Esteban (2007), then we

would expect rapid changes in community composi-

tion at the lower trophic levels within food webs as

the regional species pool responds to changing local

conditions and new species manifest themselves

within the food web. At the other extreme of the

body size spectrum, large, mobile top predators may

be able to ‘island-hop’ to keep track of changing

conditions, thereby linking together otherwise rela-

tively isolated food webs.

Additional drivers, synergies and feedbacks

Altered thermal, atmospheric and hydrological con-

ditions, and species invasions associated with a

changing climate will not be operating in isolation.

These drivers of change are interconnected in a

complex manner and as such are likely to cause

higher order synergistic (i.e. non-additive) interac-

tions and feedbacks (IPCC, 2007), making predic-

tions to the overall effects of climate change in

running waters problematic. Further, freshwaters

worldwide are already exposed to a multitude of

localised human impacts, some of which are not

necessarily directly linked to climate change (e.g.

eutrophication, acidification, overexploitation of fish-

eries). Some synergies among these components of

change have already been recognised (Malmqvist &

Rundle, 2002; Giller et al., 2004; Woodward, 2009),

but overall, the potential effects of interactive com-

ponents of global change on biotic communities

remains poorly understood (Woodward et al., 2010).

Arguably the greatest combined threats for many

riverine systems are the reduced summer flows and

elevated temperatures predicted for many areas

(IPCC, 2007), as the biota will be subjected to

entirely new thermal conditions and greater habitat

fragmentation. Species populations that are suscepti-

ble to elevated temperatures (e.g. due to localised

anoxia) may also be vulnerable to reduced flows (e.g.

due to habitat fragmentation), resulting in a non-

additive net effect when both stressors are operating

simultaneously. Such effects are likely to be ampli-

fied by other human activities, such as water

abstraction (Carpenter et al., 1992; Malmqvist &

Rundle, 2002). Additional synergies may occur as the

quality of basal resources is altered in response to

elevated CO2. Metabolic requirements will rise with

temperature (unless the initial conditions are under

cold-stress), but they might be constrained by

increased stoichiometric imbalances, which could

suppress biomass production across the food web as a

whole. This could result in a shortening of food

chains, compromising the supply of valuable ecosys-

tem services such as the maintenance of commercial

fisheries.

Species invasions are likely to create additional

synergies, as polewards range shifts in vegetation

could also lead to poorer or higher quality litter inputs

in temperate systems (due to colonisation by Medi-

terranean/chapparal species) and boreal systems (due

to replacement of conifers by broadleaf species),

respectively. Overlain on this is the human induced

introduction of ‘alien’ (i.e. non-native) species, which

can infiltrate contemporary food webs and which

could alter ecosystem process rates at the base of the

web (Hladyz et al., 2009), or induce top down effects

if the invaders enter higher in the food chain (Guan &

Wiles, 1997; Rahel & Olden, 2008).

Although we have highlighted how multiple

stressors might combine to amplify the effects of

change, in some instances the opposite may be true

(Malmqvist & Rundle, 2002; Giller et al., 2004;
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Woodward, 2009). Considerably, more research is

now required in this area, especially in heavily

impacted running waters, in which a wide range of

stressors are already operating.

Future directions

We have highlighted how different components of

climate change have had, and will continue to have,

significant effects on species populations, interac-

tions, and the structure and functioning of food webs

in running waters. Although some of these topics

have already received substantial research interest,

many important questions remain unanswered and we

need to develop a more integrated approach to assess

the consequences of global change. In particular, we

need to move away from focussing too heavily on

contingent case studies to identify more general

responses if we are to predict future impacts in

riverine food webs and the goods and services they

provide. The question, then, is: how might we

progress towards this goal?

Quantitative scaling from individuals to food

webs

By considering what constrains each organism, we

should be able to make links to the more complex,

higher levels of organisation, since these are ulti-

mately composed of numerous interacting individu-

als. We have seen how body size is a strong

determinant of a plethora of physiological, biological

and ecological attributes of an individual, and also of

key ecosystem properties (Woodward et al., 2005a).

Given that individual metabolism represents the

fundamental energetic and resource acquisition con-

straints acting upon an individual (Fig. 1a), the body

size–metabolism relationship provides one mecha-

nistic link between individuals and the behaviour of

entire systems, and it is a useful predictor of food web

structure and dynamics (Emmerson et al., 2005b;

Woodward et al., 2005a). Recent metabolic scal-

ing theories (Brown et al., 2004) have sought to

couple long-established body size allometries (Peters,

1983) and temperature scaling (Gillooly, 2000),

which offers a powerful means of linking individ-

uals to populations, communities and ultimately to

food webs and ecosystems in a warming climate

(Woodward & Warren, 2007; Berlow et al., 2009).

Similarly, ecological stoichiometry offers an alternative

approach with which to understand consumer–

resource interactions, based upon principles of mass

balance for multiple chemical elements (Sterner &

Elser, 2002), which offers great promise for pre-

dicting system-level responses to climate change.

Whilst a suite of theoretical frameworks are now

starting to emerge, the testing of predictions and

further development of mechanistic models is often

constrained by the data collected (Brown & Gillooly,

2003). This is particularly true of food web ecology.

We can see how allometric, metabolic and foraging

theories related to individual body size and metab-

olism can be linked to the higher levels of organi-

zation, but the empirical and experimental data with

which to test and validate models are in short supply.

Part of the reason for this is that traditionally the

nodes within food webs have been described by

‘species averaging’, rather than being constructed

from the individual level (Ings et al., 2009). However,

when constructed from individual body sizes (i.e.

where nodes represent an individual’s body size and

prey size of the individuals it has consumed), the

patterning and structure of food web can alter

markedly (Ings et al., 2009). To the best of our

knowledge at present only a single stream food web,

that of Broadstone Stream, has been constructed in

this fashion (Woodward et al., 2005b; Woodward &

Warren, 2007), which restricts our ability to gener-

alise. Thus, a clear research priority must be to collect

additional food web data at the appropriate level of

resolution, to facilitate the testing and development of

theoretical models (Brown & Gillooly, 2003), and

aquatic systems appear to provide an ideal opportu-

nity in which to achieve this (Ings et al., 2009).

Beyond food webs

To date, still relatively few studies have addressed

biodiversity–ecosystem functioning (B–EF) relation-

ships in freshwaters in respect to climate and global

change (but see Petchey et al., 1999). An additional

area for future research lies in unravelling the

mechanistic link between food web structure and

ecosystem functioning. Food webs exhibit structural

properties which affect their stability, but their

relationship to ecosystem processes, goods and

services remains poorly understood. For instance,
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species richness (i.e. food web size) is the most

commonly used measure of biodiversity but it is not

the only one, and if we consider functional diversity

this could be related to the distribution of (individual)

body sizes within the food web (Reiss et al., 2009).

Individual body size is an easily measured functional

‘trait’ that determines an individual’s (and ultimately

a population’s) contribution to many critical process

rates (e.g. nutrient cycling, biomass production), via

allometric relations and foraging constraints. In

addition, interactions (i.e. links) within a food web

can be just as important as species richness (i.e.

nodes) for determining ecosystem functioning

(Woodward, 2009). Future research aimed at exam-

ining the connections between the architecture of a

network and function has the potential to inform

management strategies and prioritize the protection

of network structures that preserve ecosystem stabil-

ity and functioning. For instance, large, mobile

organisms that link together local food webs might

promote the maintenance of a diverse and variable

assemblage of organisms in the larger regional

network, which in turn could buffer the potential

impacts of environmental change (McCann, 2000).

Whilst the integration of food web and biodiversity-

ecosystem functioning research has started to emerge

(Thebault & Loreau, 2003; Reiss et al., 2009;

Woodward, 2009) there remain many fruitful areas

for future research, particularly with respect to

investigating biological responses to climate change.

Identifying suitable approaches and model

systems

High latitude/altitude systems can be viewed as

particularly useful ‘sentinel systems’ by providing

early warnings of wider scale change, and studying

these relatively simple food webs will also enable us

to gain better insight into climate change impacts on

the more complex (i.e. species rich) systems in

warmer climes. We can usefully apply multiple

approaches here, via assessing long-term community

assembly during glacier retreat (Milner et al., 2000,

2008) and by using space-for-time substitutions,

including assessment of altitudinal gradients as a

proxy for temperature. ‘Natural experiments’ in high

latitude geothermal areas can also be very powerful

model systems, as confounding biogeographical and

other physicochemical gradients can be removed

(Friberg et al., 2009). We also need to combine

correlational survey-based studies with experiments

to identify the underlying causal relationships that

produce the patterns we see in natural systems

(Woodward, 2009). Manipulations of whole food

webs are still vanishingly rare, but these are now

needed if we are to achieve a more mechanistic, and

hence predictive understanding, and also if we are to

gain insight into how temperature acts as a dynamic

stressor, rather than as a ‘static’ environmental

descriptor. We might expect to see rather different

food web responses in a cold stream that is warmed

experimentally, as the resident cold-adapted fauna

and flora are placed under an unfamiliar stress, than

inferences drawn from comparing cold and warm

streams at their respective equilibrial conditions. This

issue relates to both the approach and the timescale of

the study, and there is a potential mismatch between

the phenomena manifested in experimental manipu-

lations (i.e. transient dynamics under stress) and those

in space-for-time surveys (i.e. equilibrial conditions

under different optima). This critical point needs to

be considered carefully when extrapolating to predict

future scenarios. Clearly, we still have a long way to

go, but the rate of progress is accelerating rapidly—

by using a combination of approaches, from surveys

to experiments to models, and a range of carefully

selected model systems we can hope to gain much

greater insight into how riverine food webs will

respond to the dramatic changes that they will face in

the coming decades.
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Abstract River channels tend to a dynamic equilib-

rium driven by the dynamics of water and sediment

discharge. The resulting fluctuating pattern of channel

form is affected by the slope, the substrate erodibility,

and the vegetation in the river corridor and in the

catchment. Geomorphology is basic to river biodiver-

sity and ecosystem functioning since the channel

pattern provides habitat for the biota and physical

framework for ecosystem processes. Human activities

increasingly change the natural drivers of channel

morphology on a global scale (e.g. urbanization

increases hydrological extremes, and clearing of

forests for agriculture increases sediment yield). In

addition, human actions common along world rivers

impact channel dynamics directly, e.g. river regulation

simplifies and fossilizes channel form. River conser-

vation and restoration must incorporate mechanisms of

channel formation and ecological consequences of

channel form and dynamics. This article (1) summa-

rizes the role of channel form on biodiversity and

functioning of river ecosystems, (2) describes spatial

complexity, connectivity and dynamism as three key

hydromorphological attributes, (3) identifies prevalent

human activities that impact these key components

and (4) analyzes gaps in current knowledge and

identifies future research topics.

Keywords River ecosystem � Hydromorphology �
Biodiversity � Functioning

Introduction

Lotic ecosystems are integral elements of landscapes,

shaped by the transport of water and materials from

their drainage basins (Hynes, 1975). Because the

unidirectional transport occurs in a dendritic network

and is highly episodic, river channels are spatially

complex and temporally variable (Rosgen, 1996). As

river ecologists discovered the relevance of transport,

flood dynamics, channel complexity, parafluvial and

floodplain areas, and other key characteristics of river

ecosystems, different concepts dominated the field of

river ecology. Pioneering works (Hawkes, 1975)

described rivers as composed of discrete biological

zones set downstream in a predictable order. The

River Continuum Concept (RCC, Vannote et al.,

1980), on the other hand, stressed the fact that zones
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are not discrete, but change in a rather continuous

way along the river, driven primarily by changes in

channel morphology. The RCC was criticized by

some authors (Winterbourn et al., 1981; Statzner &

Higler, 1985), and concepts were advanced regarding

morphological discontinuity. For instance, the Serial

Discontinuity Concept (Ward & Stanford, 1983)

made predictions on the effect of dams, largely based

on the RCC, and the network dynamics hypothesis

(Benda et al., 2004) analyzed the effect of tributary

confluences. On the other hand, the Flood Pulse

Concept (Junk et al., 1989; Junk & Wantzen, 2003)

stressed the role of the flood regime on the ecology of

large rivers, and the Riverine Productivity Model

(Thorp & Delong, 1994) challenged some of the

tenets of the RCC regarding the source of organic

matter. More recently, the Riverine Ecosystem Syn-

thesis (Thorp et al., 2006) depicted rivers as an array

of large ‘hydrogeomorphic patches’ (equivalent to

constrained, braided or meandering sections), and

stressed the fact that there is no simple way to predict

the position of these patches along a river, but they

are associated to distinct functional zones. Thus,

biological communities are shaped by a hierarchy of

environmental factors, from ones affecting regional-

scale distribution of organisms, down to factors

affecting communities at the reach-scale, and even

at the scale of individual riffles (Parsons & Thoms,

2007).

Although scientists have long explored the role of

channel morphology on river ecology, managers only

recently recognized hydromorphology as an impor-

tant element of streams and rivers, often focusing

mainly on fish and benthic invertebrate habitat,

neglecting other aspects of biodiversity and ecosys-

tem functioning. This probably occurred because

river morphology is highly variable, depending on a

hierarchy of controlling factors in the catchment,

including upstream and, to a lesser extent, down-

stream parts of the river network. Natural constraints

such as climate and geology and human activities

such as land use and flow regulation, determine the

main drivers—hydrological regime, sediment regime

and riparian vegetation—that shape the local

morphology.

Because channel form and hydraulics provide a

structural template that shapes ecological processes,

many authors stressed their importance for river

biodiversity and functioning. Different terms have

been coined to stress this interplay: hydromorphology

(EU, 2000), eco-geomorphology (Thoms & Parsons,

2002), functional ecomorphology (Fisher et al., 2007)

and others. Despite this recognition there is still a

lack of understanding of complex responses of

biological processes to hydromorphology, which

often shows shifting patterns rather than static

balances (Lenders et al., 1998). Even when acknowl-

edged, hydromorphology is mostly seen as static (e.g.

riffle-pool sequences), neglecting the dynamic aspect

of channel form, which is central to hydromorpho-

logical quality.

Newson & Large (2006) defined natural river

channels as those whose geometry and features

represent the full interplay of unmanaged water and

sediment fluxes with local boundary conditions. Such

channels are free to adjust by aggradation, degradation

or by lateral interaction with the floodplain or valley

floor in response to unmanaged flows and sediment

supplies (short term) or in response to long-term

changes in system or local drivers. They are not

wilderness channels but may inspire a holistic percep-

tion of being ‘intact’, a popular human perception of

reference conditions deriving mainly from landscape

aesthetics. ‘Natural’ channels require minimum man-

agement intervention to offer resilience and a diversity

of physical habitat, though neither of these ‘natural

services’ is universal or perpetual.

Here we analyze the importance of hydromorpho-

logical integrity (i.e. of natural river channels), on

biodiversity and functioning of river ecosystems,

focusing in three key attributes for stream ecosystem

functioning: spatial complexity, connectivity and

dynamism. We also discuss the effects of human

activities on the hydromorphological integrity of

rivers and identify current gaps in knowledge, and

topics for future research.

Hydromorphological attributes of importance

to stream ecology

The term hydromorphology, which was recently

made popular by the European Water Framework

Directive (EU, 2000), reflects the inseparable asso-

ciation of channel form and flow. Depending on river

type, hydromorphology is expressed by a different

array of morphological elements and hydrodynamic

features. For instance, oxbow lakes are important
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constituents of lowland rivers meandering in wide

valleys, but not in v-shaped constrained ones. It is

beyond the objectives of the present article to give a

comprehensive list of all elements constituting channel

form and dynamics and to specify their characteristics

for different rivers. We instead give ecologically

significant examples that illustrate three attributes of

key importance for river ecosystems—spatial com-

plexity, connectivity and dynamism (Table 1). Spatial

complexity is created and maintained by a series of

processes acting from microhabitat to catchment scale

and driven by periodic and stochastic events in time,

such as discharge and sediment input. Sequences of

complex reaches along a river network further increase

dynamics and spatial complexity. Hence channel

complexity, connectivity, and dynamism are closely

linked.

Spatial complexity of channel and river corridor

Channel complexity results from processes occurring

at a wide variety of mutually dependent scales

(Frisell et al., 1986; Thorp et al., 2006). At the

microhabitat scale, smaller than the width of the

stream, sediments are usually sorted by grain size,

resulting in patches that provide habitat for different

organisms. Sorting processes depend on the local

flow pattern that is generated at the reach scale, and

largely modified by local flow obstructions such as

boulders, macrophytes or large wood (Fig. 1). In the

vertical and lateral dimension, variability of sedi-

ments and hydraulic conductivity often reflect a

series of succeeding historic channel forms, former

flood events and sediment deposition. Legacies of

historical channel processes increase the complexity

of current morphological pattern at all scales (Frisell

et al., 1986; Gregory et al. 1991). At the reach scale

(at least 1–2 magnitudes of the stream width),

physical complexity is expressed as changes in slope,

cross-section and plan form. Stream ecologists often

categorize distinct visible morphological elements

like riffles, various forms of pools, bars, banks and so

on. These elements differ in width, depth, water

velocity and grain size, sorting and packing of the

sediments, and hence control the microhabitat com-

plexity. At the catchment scale, channel form differs

along the drainage network, according to constraints

such as geology and lithology, increasing discharge

and changes in sediment load or slope and valley

form. On this large scale, there is a general sequence

of straight to braided to meandering morphology

from the source to the mouth of a river, and this

sequence affects complexity at both the reach and

microhabitat scales. Another general trend along the

course of rivers is the increasing width of the river

corridor and increasing significance of the floodplain,

which itself can be expressed in various floodplain-

specific water bodies. However, these general

patterns are often broken by stream confluences,

lakes, regional geology and changes of valley form

(Ward & Stanford, 1983).

Connectivity

The concept of connectivity was first applied to river

systems by Amoros & Roux (1988). Although mainly

recognized as an important ecosystem aspect, con-

nectivity in rivers is primarily a hydromorphological

attribute. Pringle (2001) defined hydrologic connec-

tivity as water-mediated transfer of matter, energy

and organisms within or between elements of the

hydrologic cycle. In rivers, connectivity works in

three dimensions (Kondolf et al., 2006). Longitudinal

connectivity controls the downstream flux of water

and sediments along the river network, and thus the

basic processes shaping channel form. To a limited

degree there is even downstream to upstream con-

nectivity, which can be seen in case of backward

erosion or sediment aggradation caused by shifts in

downstream erosion base level. Additionally, water

and sediments can be transported in the lateral and

vertical dimensions. Lateral connectivity between the

channel and the floodplain is also important; sedi-

ments deposited during floods form the floodplains

and can return to the main channel when the channel

migrates laterally (Junk et al., 1989). Hydraulic

connectivity between the stream channel and shallow

groundwater aquifers can extend for considerable

distances laterally into the banks and below flood-

plains (Standford & Ward, 1988), though the major

exchange in most streams and rivers is in vertical

dimension across the stream bed. Vertical connectivity

is created by the exchange of water between the water

column and the hyporheic zone as well as the vertical

accretion of sediment deposits. Water flux across the

bed and banks is driven by hydraulic pressure vari-

ability and depends on the porosity of the sediments.

Vertical connectivity is hence closely related to
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channel complexity, since the variability of hydraulic

pressure at the bed results from interaction of flow

with bed forms or slope discontinuities at reach scale

(Savant et al., 1987; Harvey & Bencala, 1993; Elliott

& Brooks, 1997; Kasahara & Hill, 2006) and the

porosity is determined by sorting and packing of the

sediments (Freeze & Cherry, 1979). On all scales

vertical exchange is highly variable in space and time.

For instance, in a reach-scale flume study, wood input

caused sudden sediment deposition and increase of the

vertical water flux through the bed (Mutz et al., 2007).

Vertical water flux increased again after bed forms

extended due to elevated flow velocity (Fig. 2).

Hence, rivers exhibit shifting mosaics of patches

of hyporheic exchange produced by the variable

arrangement of morphological features such as wood,

riffles, pools and bars. Vertical water flux through the

bed sediments also causes physical retention of fine

sediments and colloids, which can form clogging

layers and reduce vertical connectivity (Brunke,

1999). Sustainability of vertical connectivity and

morphological dynamism are coupled because flush-

ing floods and sediment redepostion are needed to

periodically remove clogged layers and regenerate

vertical connectivity (Schälchli, 1992).

Dynamism

River hydromorphology is far from static because

river channels are shaped by the transport of water

and sediments that varies from periodic to highly

Fig. 1 Changes in hydraulics as a result of experimental

introduction of large wood into Latxe stream, Basque Country,

Spain. Figures show break through, measured 100 m down-

stream from the slug addition of salt, at a control and an

experimental reach, before (left) and after (right) introduction

of 144 m3 of large wood per hectare of streambed. Note that

addition of wood increased the travel time of salt as a result of

decreased water velocity, and that peak conductivity decreased

as a result of enhanced dispersion and transient storage

Fig. 2 Short-term alteration of bed forms and vertical

connectivity by experimental wood addition to plane sand

bed. A Wood distribution and resulting bed forms in

experiment Wood-1 with bed form generated by flow of

0.13 ms-1 and Wood-2 with bed forms generated by

0.20 ms-1; B Vertical water flux across the bed for the control

without wood and the experiments with wood (Mutz et al.,

2007)
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episodic. Channels are constantly shifting and adjust-

ing to changes in stream power, sediment yield and

valley features, making rivers highly dynamic eco-

systems. Dynamism is an intrinsic characteristic of

rivers that shapes both channel form and connectiv-

ity, processes often modified by human activities.

Dynamism is linked to channel complexity and

connectivity, as for instance, when meander migra-

tion results on formation of oxbow lakes or when

floods reconnect them to the main channel. Channel

dynamics depend on many basin and reach charac-

teristics, but flow is of paramount importance. Such

dynamism is important for river ecology at a broad

range of temporal scales, from days to centuries

(Frisell et al., 1986). At a scale of hours to days, flood

events resulting from storm runoff produce extensive

movement and rearrangement of sediments and litter

packs. They also cause substantial changes in lateral

and vertical connectivity, driving transport of water

and sediments in both dimensions. At a scale of

months to years, channel form is shaped by seasonal

and interannual variations in discharge. Bankfull

discharge, which occurs on average once every

2 years, is extremely important shaping channel

dimensions. Additionally, landslides, severe storms

and other events produce mass failures in the riparian

forest, resulting in sporadic inputs of sediments and

large wood, crucial to channel morphology (May &

Gresswell, 2004). At a scale of centuries, lateral

migration of river channels leads to meander cutoff,

formation of oxbow lakes, and terrestrialization of

abandoned paleochannels, and there is a cycle of

formation, growth and decay of islands in braided

channels (Gurnell et al., 2001).

Relevance for biodiversity and functioning

Physical habitat shapes biological communities and

ecosystem functioning. Smith & Powell (1971) depict

its effect as a series of environmental ‘screens’ (from

large-scale, biogeographic factors to fine physiolog-

ical and biotic interactions) that eventually shapes the

composition of local communities. Southwood (1977)

stressed the idea that the environment forms the

template to which organisms have adapted through

natural selection, and therefore, affects life traits.

Several authors (Tomanova & Usseglio-Polatera,

2007) showed that habitat characteristics at the

mesoscale determine invertebrate biological traits,

and this idea is in the core of the concept of

functional habitats (Harper et al., 1992), that is still in

use (Harvey & Clifford, 2008). Nevertheless,

attempts to identify one-to-one connections between

surface flow types, units of channel morphology and

functional habitats oversimplify a complex and

dynamic hydraulic environment, and some authors

(Harvey et al., 2008) proposed to use instead a nested

hierarchy of reach-scale physical and ecological

habitat structures, characterized by transferable

assemblages of functional units.

Complexity

The relationship between physical complexity of

ecosystems and diversity of biological communities

leads to the concept of ecological niche, borrowed

from the field of architecture and reminiscent of the

old saying that the more niches in a church, the more

saints could fit in. In a classical paper, Hutchinson

(1959) already stressed the role of what he called ‘the

mosaic nature of the environment’ in maintaining a

large number of species, and thereafter, the role of

architectural complexity on community diversity has

become more and more evident (Oldeman, 1983).

Less evident but also important is the effect of

physical complexity on ecosystem functioning.

At the microhabitat scale, high diversity of sedi-

ment size is clearly linked to biodiversity, because

patches differing in grain size often constitute

different functional habitats (sensu Harper et al.,

1992). Many invertebrate taxa are tightly linked to

grain size (Fig. 3). For example, in Basque streams

Capnioneura and Limnephilinae are found almost

exclusively in organic matter and Rithrogena mainly

on sand and stones. Many studies report dependencies

of macroinvertebrate diversity, abundance, traits or

productivity with substrate diversity or surface-

perimeter ratio (Beisel et al., 1998, 2000; Lancaster,

2000). Among the elements of the stream bed,

organic material plays a key role as a substratum

for ecosystem functioning (Aldridge et al., 2009).

The physical complexity of dead wood affects

abundance and diversity of fish and macroinverte-

brates (Crook & Robertson, 1999; Scealy et al.,

2007). Invertebrate taxa use wood directly as habitat

and for food (Dudley & Anderson, 1982; Hoffman &
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Hering, 2000), while many fish seek refuge and

cover.

At the reach level, channel complexity is related

with the diversity of riffle/pool sequences or with the

abundance and diversity of gravel bars and features

such as undercut banks. Again, this level of com-

plexity is related to biodiversity and functioning, and

loss of these features can result in local extinctions.

As an example, many fish species require different

habitats through their life cycle. Brown trout spawn

in gravel-bed riffles or runs, young fry concentrate in

shallow areas, and adults prefer deep pools and wood

accumulations. Because predatory fish species have

large effects on invertebrate food chains, the absence

of key habitats can decrease fish populations, with

effects cascading through the food webs (Katano

et al., 2006).

At the catchment scale, natural rivers usually show

large differences in physical structure, species associ-

ations and ecological functions both from headwaters

to lower river, and among different tributaries of

similar order. Dependence of biotic communities on

local hydromorphological setting lead scientists to

propose different schemes of zonation, based for

instance on invertebrates (Ilies & Botosaneanu, 1963),

or fish (Huet, 1962), or associated changes in ecosys-

tem function (Vannote et al., 1980). Therefore, at

the catchment scale, biodiversity is linked to diverse

hydrogeomorphic patterns throughout the river

network.

Connectivity

Connectivity is important in all communities and

ecosystems for many reasons, from maintaining gene

pools in populations to recolonizing an area after a

major disturbance. Since disturbance, mainly in form

of floods or droughts, is so common, connectivity

might be especially important in river ecosystems.

All three dimensions of connectivity, longitudinal,

lateral and vertical, are important for communities

and ecosystem processes.

Longitudinal connectivity with the entire drainage

net is essential for migratory species that live in

different reaches along their life cycles, and for

organisms in general to recolonize a reach after

disturbance. Colonists from adjacent reaches influ-

ence the success or failure of river restoration

projects (Kail & Hering, 2009). The dendritic char-

acteristics of river networks determine the location of

refuges (Meyer et al., 2007), and thus, affect recol-

onization trajectories. Furthermore, because river

communities are always subject to a continuous

supply of propagules from upstream reaches, changes

in connectivity can affect local communities. Not all

natural rivers have high longitudinal connectivity.

Indeed, large waterfalls can block entire sections of

the catchment and act as barriers to organism

dispersal for millennia, resulting in different com-

munities up and downstream. Longitudinal connec-

tivity also can affect ecosystem functioning. For

Fig. 3 Densities of

selected invertebrate taxa

on microhabitats at the

headwater of the Añarbe

stream, Basque Country,

Spain. Vertical bars are

standard errors
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instance, Taylor et al. (2006) showed that decreases

in abundance of a detrital-feeding fish reduced

downstream transport of organic carbon and

increased primary production and respiration in a

South American river. Upstream migration of salmon

periodically carries energy and nutrients from the

ocean into reaches where carcasses fertilize the

stream and, mediated by predation and lateral trans-

port by bears, provide N influx to riparian forests

(Helfield & Naiman, 2006; Quinn et al., 2009).

Characteristics that make a reach a suitable corridor

are highly species-dependent and not necessarily

limited to channel variables. For instance, Roberts &

Angermeier (2007) showed experimentally that ripar-

ian cover significantly affects the movement of fish

along a reach.

Lateral connectivity, or the ability for materials and

organisms to cross the border between river channel

and the riparian areas and floodplains, is often linked to

hydrological connectivity, and to the physical charac-

teristics of banks and riparian areas. Steep, undercut

banks form more difficult barriers than smooth ones,

and the transition between aquatic and terrestrial

habitats is probably easiest in complex channels with

dead arms and fallen logs. Lateral sloughs, alcoves,

and side channels increase the interface between

channel and floodplain and act as preferential paths

for organisms between these two habitats. Log jams

and other large wood structures (including beaver

dams) increase water stage and make flooding more

common. Lateral connectivity is important for in-

stream biodiversity, at least in large rivers (Paillex

et al., 2007), increasing the survival of species that

spend a part of their life cycle on the floodplain and

another in the channel, like tropical fish species

reproducing on floodplains (Welcomme, 1985; Agost-

inho et al., 2004). It is equally important for ecosystem

function because it regulates the transport of nutrients

and organic matter between floodplain and channel.

For instance, experimental cover of stream channel

eliminated input of terrestrial insects into streams,

changed fish and macroinvertebrate populations, and

also affected terrestrial spider and bat populations

because it decreased aquatic insect emergence, which

is subsidy to terrestrial predators (Baxter et al., 2005).

Additionally, lateral connectivity may increase the

chances of finding refuge during disturbances, as when

fish move into low velocity river margins and inver-

tebrates crawl to floodplain trees during flood time.

Through these complex interactions, lateral connec-

tivity influences biodiversity at the floodplain scale

(Ward & Tockner, 2001).

Vertical connectivity across the bed and the banks

occurs through the hyporheic zone, the dynamic

ecotone between the surface stream and the shallow

groundwater aquifer (Gibert et al., 1990) in which

both waters mix (White, 1993). Quantity and quality

of water exchange control the magnitude of the

hyporheic pore space and surfaces with the associated

micro organisms and habitat of the hyporheos, which

contribute significantly to stream biodiversity

(Williams & Hynes, 1974; Bretschko, 1991; Boulton

et al., 1998). It is also a temporary habitat for early

instars, and pupae of many benthic invertebrates

(Boulton, 2000), as well as for the development of

eggs and embryos of many fish species (Vaux, 1962;

Malcolm et al., 2005). Further, the hyporheic zone

can strongly influence metabolism at the reach scale

(Grimm & Fisher, 1984; Naegeli & Uehlinger, 1997).

Organic carbon, dissolved oxygen and other electron

acceptors, enter the hyporheic zone through down-

welling surface water or upwelling groundwater

(Jones et al., 1995). Additionally, organic particles

can be stored within the subsurface zone during

sediment deposition (Metzler & Smock, 1990; Fuss

& Smock, 1996). Because hyporheic metabolism may

be limited by supply of organic carbon or exhaustion

of terminal electron acceptors from the surface

stream, vertical connectivity may limit stream metab-

olism and regulate biogeochemical transformations.

Vertical connectivity is spatially complex; flow

direction, water residence time, and hyporheic flow

path length vary with channel form and sediment

structure. Abundant and short flow paths may result

in higher overall metabolic rates (Malard et al.,

2002). On the other hand, longer hyporheic flow

paths and small scale heterogeneity in vertical

connectivity create contrasting conditions that permit

the coexistence of oxidation and reduction processes

within small spatial scales and maintain lower water

temperatures. Bacterial production can be enhanced

in downwelling zones whereas in upwelling water

anaerobic conditions can promote ammonification,

denitrification and sulphate reduction (Hendricks,

1993). Thus, upwelling water containing nutrients

released by hyporheic metabolism can promote

patches of high benthic primary production (Grimm

& Fisher, 1989). The proportion of total discharge in
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vertical exchange with the hyporheic zone influences

the quality of the water discharged to downstream

reaches (Findlay, 1995). However, the effect of

vertical connectivity on water quality depends on

the spatial arrangement and the dynamics of the

hydromorphological elements regulating vertical con-

nectivity (Fisher et al., 1998) and varies greatly in

different river networks.

Dynamism

Lotic organisms have adapted through evolution to

dynamic channels, to ecosystems that expand and

contract, and to physical habitat that changes dramat-

ically with the rise and fall of water stage (Poff, 1997).

Different components of the flow dynamics affect river

ecosystems. Floods below bankfull discharge are

essential for the transport of nutrients, organic matter

and sediments, and for organisms dispersal. When they

disturb small patches of sediments they may promote

higher biodiversity by creating patchiness and avoid-

ing competitive exclusion. Small floods can also

slough algal mats, flush fine sediments, and thus,

promote nutrient retention by encouraging algal

regrowth (Elósegui et al., 1995). Floods above bank-

full promote lateral exchange of matter and organisms

with the floodplain, and in large rivers with long and

predictable floods riverine animal biomass relates to

production in the floodplain (Junk et al., 1989). The

frequency, duration and magnitude of such floods

control composition and spatial distribution of flood-

plain vegetation (Hupp & Osterkamp, 1996). Duration

and timing of low flows control biodiversity on

exposed banks and alluvial gravel bars (Nilsson

et al., 1993) and also the efficiency of terrestrial

predators feeding on aquatic insects (Paetzold et al.,

2005). Hence, intensity and ecological effects of

lateral connectivity are controlled largely by the

extremes of hydrological dynamism.

When floods exceed thresholds of sediment mobility,

they function as disturbances, displacing organisms,

causing mortality, destroying and reorganizing hab-

itat structure and resetting succession. Disturbance

regime can be considered the dominant factor orga-

nizing stream ecology (Resh et al., 1988), and

recovery trajectories that can take several months to

century can be measured at both the community and

the ecosystem level (Fisher et al., 1982; Grimm,

1987; Corenblit et al., 2007). Moreover, vegetation

and channel form are linked reciprocally, e.g. island

evolution promoted by drift wood resulting from

bank erosion in braided rivers (Gurnell et al., 2001).

This ecosystem engineering function of woody

riparian vegetation causes long-term shifts of river

plan form (Murray et al., 2008) and hence such

‘biogeomorphic’ feedback mechanisms can occur at

scales of regional landscapes and timeframes of

centuries (Corenblit et al., 2007).

Severe disturbances can also be caused by drought

(Lake, 2000). During drought and desiccation, riffle

habitats disappear and competition and predation

increase largely in the remaining isolated pools. Once

the flow is interrupted, physicochemical conditions

change abruptly (Acuña et al., 2005). With re-aeration

greatly reduced, microbial processing of benthic

organic matter causes hypoxia and subsequent shifts

of the invertebrate community. Loss of species can

alter stream functioning, such as reduced leaf decom-

position during stream fragmentation (Schlief & Mutz,

2009). If streams dry up completely, most species will

be eliminated and subsequent recovery of the system

can be slow and somewhat unpredictable, since

recolonization depends on source of colonists and

their dispersal (Bond et al., 2006).

Ecological effects of extreme floods and droughts

depend on their predictability, what determines their

potential to trigger organism adaptation and evolution

(Poff, 1997). Organisms show complex adaptations to

floods and droughts, from morphology to behaviour

and life history (Ward, 1992; Brock et al., 2003). When

mortality by flood or drought is highly seasonal and

thus, predictable, organisms develop risk-avoidance

mechanisms, like emergence or diapause. Less

predictable environments favour risk-spreading strat-

egies, like asynchronous egg hatching in many Plect-

opera (Hynes, 1976), or rapid growth rates (Huryn &

Wallace, 2000). Thus, a community at a given site

represents the balance among benefits and costs of

adaptations to the environmental dynamics, and

survival is strongly influenced by the level of

dynamism.

Human impacts on river ecosystem through

changes in channel hydromorphological integrity

Human activities are changing deeply entire land-

scapes, making them more homogenous, what lead to
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decreased diversity (at the ß scale). Examples of these

changes include deforestation in agricultural areas or

afforestation in prairie regions (Baldi & Paruelo,

2008). Because rivers integrate the characteristics of

their drainage basins, the array of human activities in

a catchment can affect river ecosystems. Human

activities vary widely depending on the physical,

biological and societal context, but some generalities

can be drawn from how different human civilizations

have modified during millennia catchments, river

channels and flows.

Direct occupation and modification of floodplain

areas and river corridors is one of the main sources of

impact on river hydromorphology, and one that is

becoming more prevalent as population growth

pushes people to settle in flood-prone areas. Effects

of floodplain alteration on river channels depend on

the type of occupation, agricultural, urban or indus-

trial, and thus, can be site-specific (Hupp et al., 2009;

Kail et al., 2009). Nevertheless, human development

in floodplains always decreases the naturalness of

these areas, which are integral parts of the riparian

corridors, and constrain and fossilize the channels.

Most significant, occupation of floodplain creates

flooding hazard, which leads to every sort of flood

defences, from lateral dikes to flood-control dams

(Hudson et al., 2008).

One main source of impact from developed

floodplains but also from catchment-wide change of

land use is changes in sediment yield that cause the

river to adjust and change channel form. These

floodplain alterations are widespread; in many areas

of the world clearing of forest for grazing or for

agriculture increased erosion rates and created silta-

tion problems. Indeed, suspended sediments are

considered among the most prevalent contaminants

in developed countries (USEPA, 2000). Siltation

decreases vertical connectivity, can result in hypor-

heic anoxia, and affects the relative proportion of

functional feeding groups in the benthos (Rabeni

et al., 2005). On the other hand, recovery of forest

cover in much of Europe has reduced sediment yield

and leading to channel incision and to changes in

planform from braided to single channel (Surian

et al., 2009). Similar effects are produced by large

dams that block the transport of sediments and result

in subsidence of delta areas (Heine & Lant, 2009).

Reduction of sediment supply decreases sediment

patch mobility, leading to more fixed patches that are

immobile through localized bed armouring (Nelson

et al., 2009). In cases of severe incision, the water

table falls and the floodplain becomes disconnected

from the channel except during exceptionally large

floods, thus eliminating many of the characteristics

that make these areas uniquely productive and

diverse (Scott et al., 2004).

Similar modifications of channel form can be

caused by changes in stream power, either from river

regulation or increased soil imperviousness. Ecolog-

ical effects of water abstraction are multiple, and can

be either direct (decreased velocity, depth and wetted

habitat surface) or indirect (increased temperature and

conductivity). Indirect effects affect especially to

invertebrate communities (Miller et al., 2007), and

become important when a large fraction of the flow is

being diverted. Altered flow regimes are one of the

most prevalent human impacts for river ecosystems.

Flow regimes are a critical component of the habitat

template to which organism life histories have

adapted. They control connectivity and affect biolog-

ical invasions (Bunn & Arthington, 2002). Apart from

the obvious effects on habitat abundance, flow regime

changes also affect the disturbance regime, a major

determinant of community structure. Water abstrac-

tion also reduces longitudinal connectivity, because

decreased flow may make some reaches impassable by

fish, and in extreme cases, even dewater entire reaches

(Galat et al., 1998; Kondolf et al., 2006).

Dams are prevalent impacts on hydromorphology

in rivers across the world, fragmenting river ecosys-

tems and reducing catchment scale connectivity

(Nilsson et al., 2005). Even low dams affect channel

morphology and sediment dynamics in their vicinity,

and most detrimental, create barriers for dispersal of

organisms. Unlike natural wood accumulations that

are permeable to fish and other organisms (Harmon

et al., 1986), man-made dams are largely impassable

without passage structures and reduce numbers of

upstream migrating fish species. Even when they do

not form totally closed barriers, large numbers of

dams, as they are present in many developed regions

(Fig. 4), can have large effects on fish, and have

historically been related to declines in migrating fish

stocks, e.g. salmon (Mills, 1989). Apart from barriers

to upstream migration, dams can divert downstream-

migrating fish and other organisms to canals where

their survival can be reduced. Large dams are even

more detrimental for stream and river ecosystems,
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because, in addition to the barrier effect, they have

large impacts on sediment yields, and can also

profoundly affect the discharge, hydrologic regime,

and water temperature and quality. Presently, over

half the large river systems in the world are affected

by dams (Nilsson et al., 2005), resulting in threefold

increase of water residence time, reduced supply of

sediments to coastal areas (Vörösmarty et al., 2003),

alteration of the thermal regime, and severe habitat

fragmentation (Revenga et al., 2000). Although the

rate at which large dams are being built is decreasing

(Gleick, 2003), global climate change scenarios

suggest that pressure to build more dams will be

strong in many regions in the future (Oki & Kanae,

2006). The combined effect of these barriers is a

likely decrease in biodiversity at the catchment level,

as has been reported for fish (McLaughlin et al.,

2006) and mussels (Williams et al., 1993).

Streams and rivers across the world are subject to

direct modification of river channels for a multitude of

purposes, from navigation to water diversion to flood

control. The most common activities are reinforce-

ment of banks, building lateral dikes, channel resec-

tioning and straightening, dredging, snagging and so

on. In general, these activities result in more homog-

enous flow, decreased channel complexity, reduced

river dynamism, decreased longitudinal, vertical and

lateral connectivity (Kondolf et al., 2006), and loss of

important habitats. Even subtle changes in lateral

connectivity can have profound impacts on channel

morphology and ecosystem function. For instance, an

effect of reduced lateral connectivity is the impact of

channelization on riparian spider populations, that

decrease as a consequence of reduced prey densities

(Laeser et al., 2005). Similarly, livestock have been

described as geomorphic agents, because they trample

banks, consume riparian vegetation, and contribute

animal wastes in river channels (Trimble & Mendel,

1995). Simply fencing banks can have substantial

consequences on rivers. The role of other large

mammals, like hippopotamuses or elephants in African

rivers, is probably much larger (Butler, 1995).

Many articles report the effects of snagging or

removal of in-stream wood in rivers, mainly in

Australian and North American rivers throughout the

last 200 years (Gippel et al., 1992; Maser & Sedell,

1994). This research revealed the significance of

wood as a control of channel hydraulics, morphology

and biological responses. Thus, rivers without large

wood tend to be wider, straighter, less biodiverse and

less productive (Gregory et al., 2003).

Often, it is not possible to discern which human

alteration is most detrimental for river ecosystems, as

most reaches are affected by multiple stressors

(UNEP, 2007). Multiple stressors also explain why

biological communities do not recover as rapidly as

water quality in reaches where sewage treatment

plants and clean production practices have been

implemented. This is the case, for instance, of the

Pyrenean desman, an endangered water mole ende-

mic from the Iberian Peninsula, which is still

declining despite large improvements in water quality

Fig. 4 Distribution of low dams (left) and flood defences (right) in the Basque Autonomic Region, Spain. The number of low dams

is 1,035, 10% of the 2,028 km of rivers are modified by flood defences, and a further 1.7% of the channels is buried under concrete.

Source, Basque Government (2005)
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during the last decades (Fernandes et al., 2008). The

most likely explanation for this decline is that many

remnant populations are too small to be viable, and

that habitat modifications prevent contact among

subpopulations of this highly selective mammal

(Nores, 2007).

Present uncertainties and need for future research

In this article, we stress the importance of spatial

complexity, connectivity and dynamism on river

biodiversity and functioning. Though the relevance of

these three attributes is well recognized by river

ecologists and is starting to be considered in river

restoration projects, large uncertainties remain about

appropriate future conditions, thresholds that should

not be crossed, and the degree to which we can mimic

nature under the increasing human pressures.

In the case of river ecosystem complexity, it is

necessary to define which channel form and features

are key to maintain natural biodiversity and important

ecosystem functions, to make clear at which spatial

scales are they relevant, and then to define the

geomorphic processes that are necessary to keep

these features with minimal maintenance. Because

the society cannot give up some of the present uses of

natural resources (e.g. drinking water supply or use of

the space), river ecosystems cannot simply be

reverted to a ‘natural’ status, however, one might

define it, and we must seek ways to combine use of

resources with ecosystem functioning in a sustainable

way. Examples of improved river management are

new strategies to reduce the effect of large reservoirs

on sediment yield (Rovira & Ibañez, 2007) or

techniques to recover a more natural channel geom-

etry under reduced discharges (Thorne et al., 1996).

As is often the case in nature conservation, there will

be no simple answers to the question of which

channel features to maintain, as each spatial config-

uration will benefit some species at the expense of

others and increase some functions at the detriment of

others. Therefore, clear goals must be set for

biodiversity and functioning, and these general goals

must be translated into specific, reach-level goals.

Similarly, it is necessary to define the appropriate

level of connectivity to maintain biodiversity and

functioning and to develop standard methods to

measure it. For instance, hydrological connectivity

can be measured by experiments of solute additions,

but most experiments performed so far focus mainly

on the longitudinal dimension over short timeframes.

We lack a clear understanding of how water moves in

the three dimensions (longitudinal, lateral and verti-

cal) and how hydromorphology affects all three.

Responses of aquatic organisms are even more

complex because they differ greatly in their dispersal

abilities in and out of the water. Therefore, it is

important to conduct studies on mobility of different

groups of organisms, at least at two scales: short-

term, as is usually performed by tracking tagged

animals, and long term, more often approached from

the point of view of genetic variability at the

metapopulation level. Development of techniques in

molecular biology has triggered intense research in

population genetics, but with the exception of some

particularly well studied species, like the Atlantic

salmon (Verspoor et al., 2007), our understanding of

individual mobility and genetic flow is limited or

non-existent for most populations. A major concern is

the effect of connectivity on biological invasions.

Humans are acting as the most important vector for

transport of organisms through the world, and exotic

species are now one of the main global pressures on

biodiversity (Millennium Ecosystem Assessment,

2005). Management of river ecosystems and their

connectivity must address both metapopulation

dynamics and biological invasions.

Thirdly, the natural flow regime for streams and

rivers should be defined in each regional hydro-

climatic context, especially in terms of timing,

intensity and recurrence of floods and droughts. In

this context, the focus on allocation of water for the

environment should shift from in-stream perspec-

tives and well established ‘environmental flows’ to

‘environmental flow regimes’ and consideration of

dynamics along the river corridor (Arthington et al.,

2006). The significance of extreme and uncommon

floods and droughts for long-term morphological and

biological development is still unclear. They are

suggested to reset biological processes, e.g. growth of

riparian trees, which in turn function as environmen-

tal engineers on fluvial morphology (Naiman et al.,

2008). More research is necessary to define how

much departure from the natural regime can occur

for specific river morphology and associated habi-

tats without affecting biodiversity and ecosystem

services.

210 Reprinted from the journal

Hydrobiologia (2010) 657:199–215

123



A word of caution is necessary to interpret the

concept ‘natural’ above. We don’t think management

goals should be static; on the contrary, our endpoint

should be a dynamic river constantly adjusting to a

changing landscape. Humans have and will always

change the landscape. It is time we start doing so in a

conscious, planned manner, not as a byproduct of

multiple, parallel but separate, narrow-minded deci-

sions. This will not be easy for rivers because

hydromorphology often reflects historical changes in

temporal scales much longer than the scale at which

new human impacts arise. Even if it is difficult, these

issues in river management cannot be ignored if our

societal goal is to ensure long-term sustainability in a

healthy environment.
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Elósegui, A., X. Arana, A. Basaguren & J. Pozo, 1995. Self-

purification processes in a medium-sized stream. Envi-

ronmental Management 19: 931–939.

211Reprinted from the journal

Hydrobiologia (2010) 657:199–215

123



European Union Water Framework Directive, 2000. Directive

2000/60/EC of the European Parliament and of the

Council of 23 October 2000 establishing a framework for

Community action in the field of water policy.

Fernandes, M., Herrero, J., Aulagnier, S. & Amori, G., 2008.

Galemys pyrenaicus. In IUCN 2009. IUCN Red List of

Threatened Species. Version 2009.1. www.iucnredlist.org.

Findlay, S., 1995. Importance of surface-subsurface exchange

in stream ecosystems: the hyporheic zone. Limnology and

Oceanography 40: 159–164.

Fisher, S. G., L. J. Gray, N. B. Grimm & D. E. Busch, 1982.

Temporal succession in a desert ecosystem following flash

flooding. Ecological Monographs 52: 93–110.

Fisher, S. G., N. B. Grimm, E. Martı́ & R. Gómez, 1998.
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Abstract Mediterranean streams are characterized

by water flow changes caused by floods and droughts.

When intermittency occurs in river ecosystems,

hydrologic connectivity is interrupted and this affects

benthic, hyporheic and flowing water compartments.

Organic matter use and transport can be particularly

affected during the transition from wet to dry and dry

to wet conditions. In order to characterize the changes

in benthic organic matter quantity and quality

throughout a drying and rewetting process, organic

matter, and enzyme activities were analyzed in the

benthic accumulated material (biofilms growing on

rocks and cobbles, leaves, and sand) and in flowing

water (dissolved and particulate fractions). The total

polysaccharide, amino acid, and lipid content in the

benthic organic matter were on average higher in the

drying period than in the rewetting period. However,

during the drying period, peptide availability

decreased, as indicated by decreases in leucine

aminopeptidase activity, as well as amino acid

content in the water and benthic material, except

leaves; while polysaccharides were actively used, as

indicated by an increase in b-glucosidase activity in

the benthic substrata and an increase in polysaccha-

ride content of the particulate water fraction and in

leaf material. During this process, microbial hetero-

trophs were constrained to use the organic matter

source of the lowest quality (polysaccharides, pro-

viding only C), since peptides (providing N and C)

were no longer available. During the flow recovery

phase, the microbial community rapidly recovered,

suggesting the use of refuges and/or adaptation to

desiccation during the previous drought period. The

scouring during rewetting was responsible for the

mobilization of the streambed and loss of benthic

material, and the increase in high quality organic

matter in transport (at that moment, polysaccharides

and amino acids accounted for 30% of the total

DOC). The dynamics of progressive and gradual

drought effects, as well as the fast recovery after

rewetting, might be affected by the interaction of the

individual dynamics of each benthic substratum: sand

sediments and leaves providing refuge for microor-

ganisms and organic matter storage, while on

cobbles, an active bacterial community is developed

in the rewetting. Since global climate change may

favor a higher intensity and frequency of droughts in
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streams, understanding the effects of these distur-

bances on the materials and biota could contribute to

reliable resource management. The maintenance of

benthic substrata heterogeneity within the stream

may be important for stream recovery after droughts.

Keywords Mediterranean stream � Drought �
Organic matter � Lipids � Polysaccharides �
Amino acids � Extracellular enzyme activities �
Benthic substrata

Introduction

Both natural and anthropogenic factors regulate water

intermittency (Lehner et al., 2006) and water flow

alterations. Climate and global change will produce

shifts in the precipitation and discharge patterns of

rivers and streams in temperate regions (Schröter

et al., 2005). These are expected to cause an increase

in the frequency and intensity of floods and droughts

(Arnell et al., 1996), and a substantial change in

organic matter (OM) accumulation and processing

(Lake, 2000; Acuña et al., 2007). Mediterranean

stream ecosystems are characterized by a high

hydrologic variability (Acuña et al., 2005). This

variability is likely to increase (Mariotti et al.,

2002), determining the effects of extreme hydrologic

episodes on the biochemistry of OM and on carbon

cycling in streams. This effect is expected to be

increasingly relevant, not only in Mediterranean

streams but also in many other climates (Sabater &

Tockner, 2010).

The transport and recycling of OM are two major

river ecosystem functions (Fisher & Likens, 1973;

Cummins, 1974), in which the velocity and efficiency

of OM processing, microbial use, and biogeochem-

ical transformations are highly dependent on river

hydrology (Butturini et al., 2003; Acuña et al., 2005).

All these processes can be affected during the

transitions from wet to dry (summer drought) and

from dry to wet (flood or rewetting events) conditions

that occur under water intermittency. Mediterra-

nean streams are physically, chemically and biolog-

ically shaped by predictable floods and droughts

through the annual cycle (Gasith & Resh, 1999).

Nowadays, the influence of floods and droughts on

river and stream catchments have been relatively well

studied (e.g. Fisher & Grimm, 1991; Poff et al., 1997;

Caramujo et al., 2008), but little is known about their

effects on the OM.

Drought severity determines the degree of loss of

the hydrologic connectivity, which is often sequential

during the drought period (Butturini et al., 2003). In

the final stages of the drying process, the fluvial

network may be converted into a fragmented land-

scape of isolated water pools where sediments and

organic detritus accumulate and cannot be exported

(Lake, 2003). As a result, the drying process is

gradual in time and heterogeneous in space. Carbon

limitation for the microorganisms during these dry

periods benefits autotrophic production (Humphries

& Baldwin, 2003). The leaf fall dynamics are also

affected by flow cessation. In dry years, a longer leaf

fall period is related to hydric stress, causing

progressive accumulation of OM in the streambed

(Sabater et al., 2001; Acuña et al., 2007). Plausibly,

the quality of materials in transport after the first rains

is affected by processes occurring in the OM

accumulated in dry conditions (Langhans & Tockner,

2006). Photodegradation is one of these processes

since solar radiation causes chemical oxidation

reactions in the OM accumulated in the streambed

(Wetzel et al., 1995; Moran & Zepp, 1997). The

importance of photochemical reactions to the micro-

bial communities in aquatic systems will depend on

the sources of the dissolved organic matter (DOM)

and on its initial bioavailability (Howitt et al., 2008).

Severe drought periods can be followed by intense

rainfall episodes (punctuated changes), often leading

to floods, and, therefore, to the mobility of materials

downstream and between compartments. Infiltration/

exfiltration processes at the surface as well as in the

groundwater affect the accumulation and biochemis-

try of OM (Dahm et al., 2003). Nitrate mobilization

occurs in the transition from dry to wet interfaces

(Butturini et al., 2003), and dissolved organic carbon

(DOC) drastically changes in content and composi-

tion during rewetting (Vázquez et al., 2007). Since

the mobilized DOM is a heterogeneous mixture of

carbohydrates, proteins, lignins, organic acids, and

humic substances (Thurman, 1985), the relative

increase in biodegradable DOC (BDOC) increases

microbial activity during rewetting (Romanı́ et al.,

2006). A high amount of carbon is derived from

floodplain sources in arid rivers after flooding, having

a significant impact on river productivity (Burford

et al., 2008). Microbial activity may positively
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correlate with sediment moisture content and respond

to the existence of senescent algae, which can restrain

water loss from surface sediments in the moist hab-

itat (Claret & Boulton, 2003). Thus, persistence of

microbial communities in drought conditions may be

dependent on available wet refuges in the ecosystem

(Amalfitano et al., 2008).

This study aimed to characterize the changes in

benthic OM (quantity and quality) during the transi-

tion from wet to dry and dry to wet conditions in an

intermittent Mediterranean stream. We hypothesized

that abrupt water flow alterations (water disappear-

ance and return) in headwater streams will impact on

the OM concentration and composition in the flowing

water as well as in the benthic substrata. A different

effect of drought and rewetting was expected to occur

on the biofilm benthic substrata of the stream

(cobbles and sand) and on leaf material due to their

specific mobility and sensitivity to flow regime and

specific autotrophic/heterotrophic microbial commu-

nity associated with different substrata. Both rates

and direction of temporal changes in OM content and

composition in the flowing water should differ dur-

ing drought, with gradual changes expected, versus

during rewetting when pulsed changes are predicted;

and temporal changes should vary among habitat

types. Therefore, special attention has been given

within and between habitat types during the pre- and

post-drought periods.

Methods

Study site

Fuirosos is a third-order stream located in Montn-

egre-Corredor Natural Park, a forested range close to

the Mediterranean Sea (50 km north of Barcelona,

NE Spain). The climate is typically Mediterranean;

precipitation is distributed irregularly, and mostly

falls in autumn and spring with occasional summer

storms. A long dry period (2–3 months) in summer is

followed by a short but intense (80 l m-2 month-1;

Acuña et al., 2007) stream recharge period in late

summer–early autumn.

The studied stream reach is 3–5 m wide and 10 m

in length. The riparian vegetation is made up of

alder (Alnus glutinosa), hazelnut (Corylus avellana),

poplar (Populus nigra) and plane trees (Platanus

acerifolia). Most of the leaf input into the river

channel occurs in summer due to hydric stress, and

from autumn (especially Alnus leaves) to late winter

(especially Platanus leaves). The DOC concentra-

tions in the stream water during basal and storm

discharge conditions range between 2–4 and 5–10

mg l-1, respectively (Vázquez et al., 2007). The

DOC concentration can increase up to 10–20 mg l-1

during the hydrologic transition between the dry and

wet periods (Butturini et al., 2008). The stream

channel morphology of the studied reach included a

riffle (with boulders and cobbles) and a large pool

(with accumulated leaf material and sand). The super-

ficial water flow was progressively interrupted, and

the hydrologic connectivity between the stream habi-

tats was lost since June 19, 2006 and remained

completely dry until September 13, 2006 (Fig. 1).

The pool (maximum depth of 45 cm) was the last

stretch to dry out completely.

Sampling strategy

The first sampling period was before drought (pre-

drought period) and the second one after drought

(post-drought period). The pre-drought period (with a

total of six sampling occasions) started on May 8,

2006, when the stream flow was at basal levels

(7.7 l s-1). During this period of the pre-drought, the

stream discharge decreased progressively until June

19, 2006, when there was no surface water. At that

time, two samplings were done for benthic material.

The post-drought period with six sampling occasions

started on September 13, 2006 when water flow

started after 2 months of drought. The post-drought

period ended on December 4, 2006, when basal

hydrologic conditions were resumed (Fig. 1). Four

transects (3 m apart) were defined in the studied

reach, and the relative cover (%) of each streambed

substratum was identified every 20 cm in each

sampling occasion. Dissolved oxygen, water temper-

ature (Hach DO meters), and conductivity (WTW

conductivity meter) were measured in the field.

Organic matter (quantity and quality) was analyzed

in three types of benthic accumulated material, leaves,

and particulate material, biofilms growing on rocks

and cobbles, and biofilm and fine material accumu-

lated in sand, as well as in the flowing water (dissolved

and particulate fractions). On each sampling occasion,

one sample of each benthic substratum type was
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randomly collected in the same site of each of the four

transects. Sand and leaf materials were sampled by

coring an area (4.3 cm2) between 5 and 10 cm in

depth; cobbles were taken directly from the streambed.

Stream water (approx. 8 l) was also collected for

analysis. Moreover, the water discharge was measured

in each sampling day, and water samples to analyze

DOC, BDOC, and dissolved organic nitrogen (DON)

were collected. All the samples were refrigerated and

transported to the laboratory (1-h travel time). Once

inside the laboratory, water was immediately filtered

through precombusted GF/F filters to separate the

DOM from the particulate organic matter (POM). The

OM from the different benthic substrata was detached

by immersing the sand samples in 120 ml of distilled

water and then sonicating them (3 min, Selecta

sonication bath at 40 W and 40 kHz). Leaf material

was also immersed in 120-ml distilled water, sonicated

(3 min, Selecta sonication bath at 40 W and 40 kHz)

and then homogenized with a mixer (kitchen mixer).

Leaf material, therefore, included both the leaves as

well as their microbial colonizers. Cobbles were

immersed in 60 ml of distilled water, scraped with a

toothbrush and sonicated (3 min, Selecta sonication

bath at 40 W and 40 kHz) to obtain the epilithic

material. The extracted and homogenized benthic

material (which was separated into subsamples) and

the particulate and dissolved water fractions, were

analyzed for chlorophyll (excluding the water frac-

tions) and bacterial biomass; polysaccharide, lipid and

protein content; and extracellular enzyme activities.

DOC, BDOC, and DON analysis

Water samples to determine DOC, BDOC, and DON

were filtered (precombusted GF/F glass-fiber filters;

Whatman) before analysis. DOC and total nitrogen

(TN) concentrations were determined using a Shima-

dzu TOC-VCS with a coupled TN analyzer unit. The

BDOC was measured (Servais et al., 1989) in samples

incubated for 28 days at room temperature in the dark.

Glassware was previously heated at 450�C for 4 h to

insure complete organic carbon release. All DOC

samples were acidified with 2 M HCl (2%) and

preserved at 4�C until analysis.

Dissolved organic nitrogen was determined as the

difference between the total nitrogen and the total

inorganic forms (the sum of nitrate, nitrite, and

Fig. 1 Temporal variations

in discharge dissolved

organic carbon (DOC) and

dissolved organic nitrogen

(DON) in the Fuirosos

stream from May to

December 2006. The lower

graph corresponds to the

temporal variation in

temperature, conductivity

and oxygen during the same

period. Each sampling

campaign is represented in a

temporal scale; each dot

corresponds to one

sampling day (the two

sampling campaigns done

when there was no surface

water were not represented)
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ammonia). Inorganic forms were determined colori-

metrically using a Technicon autoanalyzer. Nitrate

was determined by the Griess–Ilosvay method (Keeney

& Nelson, 1982) after reduction by percolation through a

copperized cadmium column. Ammonia was determined

after oxidation by salicylate using sodium nitroprusside

as the catalyst (Hach Company, 1992).

Microbial biomass and extracellular enzyme

activities in water and benthic material

Benthic chlorophyll concentration

Chlorophyll a was measured in sand and cobble

biofilms and in leaf material (four replicates). For each

sample, between 5 and 10 ml of the extracted and

homogenized benthic material were filtered (GF/C

Whatman) and then chlorophyll was extracted in 90%

acetone for 12 h in the dark at 4�C. Samples were

further sonicated (2 min, Selecta sonication bath at

40 W and 40 kHz) to insure complete chlorophyll

extraction. After filtration (GF/C Whatman) of the

extract, the chlorophyll concentration was determined

spectrophotometrically (Lambda UV/VIS spectropho-

tometer, Hitachi) following Jeffrey & Humphrey

(1975).

Bacterial density

Bacterial density was estimated in sand and cobble

biofilms, in leaf material and in water samples (four

replicates per substratum). Live and dead bacteria

were counted using the Live/Dead Baclight bacterial

viability kit, which contains a mixture of SYTO� 9

and propidium iodide. The live cells (with intact cell

membranes) appeared green after excitation with blue

light, whereas dead cells (with damaged cell mem-

branes) appeared red (Freese et al., 2006). Fifty

microliters of the extracted benthic material of the

sand samples were diluted in 2 ml of sterilized river

water. Aliquots of 200 ll of cobbles and leaves

extracts were also diluted with 2 ml of sterilized river

water. For water samples 2 ml were taken directly

(no dilution). After appropriate dilution, a 1:1 mix-

ture of SYTO� 9 and propidium iodide was added

(3 ll), and samples were incubated for 15 min.

Samples were then filtered through 0.2 lm black

polycarbonate filters (Nucleopore, Whatman). The

filters were dried, placed on a slide with mounting oil

and examined by epifluorescence microscopy (Nikon

E600). At least 20 random fields were examined on

each slide for a minimum of 300 bacteria cells as a

compromise between observational effort and reli-

ability. The fraction of live bacteria was calculated as

the abundance of live cells divided by the total count

obtained with the live/dead method.

Extracellular enzyme activities

Sand and cobble biofilms, leaf material and water

samples (POM and DOM, four replicates) were

analyzed to determine the activity of the enzymes

b-D-1,4-glucosidase (EC 3.2.1.21), lipase (EC 3.1.1.3)

and leucine-aminopeptidase (EC 3.4.11.1). Each

sample from sand, cobbles and leaves consisted of

1 ml of the extracted and homogenized benthic

material. Four ml of river water and GF/F filtered

river water were considered, respectively, for the total

and dissolved activity in water. Extracellular enzyme

activities were determined spectrofluorometrically

using the artificial substrates 4-methylumbelliferyl-

b-D-glucopyranoside for b-glucosidase, 4-methylum-

belliferyl palmitate for lipase activity and L-leucine-7-

amido-4-methylcoumarin hydrochloride for peptidase

activity (Sigma-Aldrich), as the respective substrate-

analogs.

All the samples were incubated with 0.3 mM

substrate (saturated conditions; Romanı́ & Sabater,

2001) in the dark under continuous shaking for 1 h at

18�C. Blanks and standards of methylumbelliferone

(MUF) and AMC (aminomethylcoumarin) were also

incubated. At the end of the incubation glycine buffer

(pH 10.4) was added (1/1 vol/vol), and the fluorescence

was measured at 365/455 nm excitation/emission for

MUF and 364/445 nm excitation/emission for AMC.

Polysaccharide, protein, and lipid content in water

and benthic material

Polysaccharide, protein, and lipid content was ana-

lyzed in water (dissolved and particulate fraction), in

the biofilm benthic materials collected from sand and

cobbles and in leaf material. Four replicates were

considered for each sample type.
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Polysaccharide content

Polysaccharide content was measured following the

3-methyl-2-benzothiazolinone hydrochloride (MBTH)

method with modifications (Pakulski & Benner, 1992;

Chanudet & Filella, 2006). A total of 50 ml of DOM,

filters for POM (Whatman GF/F), and 10 ml of the

previously obtained extracted material from the sam-

ples (sand and cobble biofilms; leaf material) were

freeze-dried. The dried samples were then acidified

with 1 ml of 12 M H2SO4 for 2 h at room temperature.

Then, the samples were diluted with 4 ml Milli-Q

water, sonicated (2 min) and hydrolyzed at 100�C for

3 h. After cooling, the pH of the hydrolysis solution

was neutralized with NaOH. Next, monosaccharides

were reduced to alditols by the addition of potassium

borohydride. The reduction reaction was terminated

by the addition of 2 M HCl. The samples were left

overnight at 4�C. The following day, triplicate aliquots

of hydrolysis products (and duplicate blanks) were

placed in test tubes and were oxidized to formaldehyde

by the addition of 0.025 M periodic acid. The oxida-

tion reaction was terminated by the addition of 0.25 M

sodium metaarsenite. After the addition of 2 M HCl,

the aldehyde was reacted with MBTH reagent, ferric

chloride solution and acetone. Absorbance was measured

at 635 nm with a spectrophotometer (Spectronic� 20

Genesys). Absorbance of the blanks was subtracted from

all samples. Glucose standard curves were generated

concurrently.

Protein content

Amino acids were analyzed using high performance

liquid chromatography (HPLC). All samples were

first freeze-dried (including 5 ml of DOM, filters for

POM (Whatman GF/F), and 100 ll of the previously

extracted material from sand and cobble biofilms as

well as from leaf material) and then hydrolyzed in

sealed vials with 6 M HCl at 110�C for 20 h. After

this step, the remaining HCl was removed using

nitrogen flushing steps. The residue was derivatized

with a fluorescent reagent (AccQ Fluor reagent,

Waters�) following the manufacturer’s instructions,

and then analyzed on a Waters HPLC amino acid

analysis system. The HPLC system included a Waters

AccQ Tag column for separation of amino acids, a

Waters 2475 fluorescence detector, a 717plus auto-

sampler, and a 1525 Waters binary pump. An internal

standard (a-aminobutyric acid) was added during the

treatment of the samples and standards.

Lipid content

Samples were first freeze-dried. Cobbles and sand

biofilms as well as leaf material samples were weighed

to the nearest 0.1 mg. Samples were homogenized with

an ultrasonic homogenizer (200 W, 24 kHz; Hielscher

Ultrasonics GmbH, Teltow, Germany). The lipids were

extracted with a mixture of chloroform and methanol

(2:1) following Bligh & Dyer (1959). The total lipid

content was analyzed by the colorimetric sulphophos-

phovanillin method (Zollner & Kirsch, 1962). The

dissolved fraction could not be analyzed because

the lipid content was below the detectable level

(\0.01 mg l-1).

Statistical analyses

Differences in chlorophyll, bacterial density, enzyme

activities, and total polysaccharide, protein, and lipid

content within the pre- and the post-drought periods for

the different substrata were analyzed using a 1-way

repeated measures analysis of variance (RM-ANOVA).

Probabilities within groups (Day and Day 9 S) were

corrected for sphericity using the Greenhouse–Geisser

correction. All the probabilities were adjusted by the

Dunn–Sidak correction. All the variables included in

the analyses were log(x ? 1) transformed to improve

the homogeneity and heterogeneity of variance which

was checked by visual inspection of the residual

distributions.

Differences of bacterial density, total polysaccha-

ride, protein, and lipid content between the last day of

the pre-drought period and the first day of the post-

drought period were checked using multivariate

analysis of variance (MANOVA).

Pearson correlation was performed to determine

the potential relationships between the biogeochem-

ical and biologic variables studied. The relationships

between the OM composition (proteins, polysaccha-

ride, and lipid content) of the benthic substrata and

their enzyme activities were examined by regression

analyses. All the statistical analyses were carried out

using the SPSS software package for Windows

(Ver.14.0.1, SPSS Inc. 1989–2005).
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Results

Physical and chemical parameters

During the pre-drought period, there was a progres-

sive increase in the stream water conductivity (from

229 to 329 lS cm-1). Dissolved oxygen decreased to

very low values (1.6 mg O2 l-1). The maximum

water temperature (19.5�C) was achieved in the pool

immediately before stream water cessation (Fig. 1).

The water flow peak on September 13th

(36.8 l s-1; Fig. 1) was associated with an increase

in DOC (6.7 mg l-1), BDOC (1.5 mg l-1) and DON

(0.5 mg l-1) in the stream water. DOC, BDOC,

and DON were positively correlated with water

flow (r = 0.705, P \ 0.001; r = 0.891, P \ 0.001;

r = 0.896, P \ 0.001, respectively) throughout the

studied period. During the high flow episode dis-

solved oxygen increased (9.8 mg O2 l-1) and con-

ductivity returned to pre-drought basal values

(206 lS cm-1) (Fig. 1). Peak flow in September

caused important changes in the structure of the

stream bed. While the reach during the drought

period consisted of a riffle (with cobbles and rocks

covering 70% of the streambed surface), a pool (with

a large accumulation of sandy sediment, 80%) and

some patches of deposited leaves (5%), the heavy

rains homogenized the stream bed. After the high

flow episode, the stream became dominated by

cobbles and rocks (70%). Both the fine substrata

(sand) and leaves were washed downstream after the

episode.

Microbial biomass and metabolism

Benthic chlorophyll and organic matter

Benthic chlorophyll overall decreased significantly

during the pre-drought period, but remained

unchanged during the post-drought period (Table 1).

During the pre-drought period, chlorophyll decreased

in sand and cobble biofilms, but remained steady on

leaves (Table 1, Day 9 S interaction). Chlorophyll-a

accounted for 182 ± 47.3 mg chl m-2 in sand and

23.5 ± 8.9 mg chl m-2 in cobbles during the pre-

drought period. These values decreased, respectively,

to 126 ± 39.7 and 5.8 ± 1.73 mg chl m-2 after

drought. The chlorophyll content in leaves was most

similar before and after the drought (1,489 ± 825

and 1,229 ± 388 mg chl m-2, respectively).

The dry weight per cm2 of benthic materials was

higher in the pre-drought than in the post-drought

period. Sand had 1.27 ± 0.26 g cm-2 and cobbles

had 0.03 ± 0.008 g cm-2 in the pre-drought period,

and 0.95 ± 0.26 and 0.01 ± 0.008 g cm-2, respec-

tively, after drought. Similar dry weight values were

obtained before and after drought (1.66 ± 1.16 and

1.69 ± 0.57 g cm-2, respectively) in leaves.

Bacterial density

Total bacteria and the percentage of live bacteria

progressively decreased during the pre-drought

period in the stream water (RM-ANOVA, Day effect,

P = 0.001) and in the cobble biofilms substrata, but

Table 1 Results of the repeated-measures analysis of variance considering one factor: Substratum type (cobbles and sand biofilms;

and leaf material) for biofilm structure and composition, and activity variables

Source of

variation

Chl Total bacterial

density

Life

bacteria (%)

Polysaccharide

content

Amino acid

content

Lipid

content

b-Glucosidase Peptidase Lipase

Pre-drought period

Day 0.032 <0.001 0.134 <0.001 <0.001 0.594 <0.001 <0.001 <0.001

Substratum <0.001 <0.001 <0.001 <0.001 <0.001 <0.001 <0.001 <0.001 <0.001

Day 9 S <0.001 <0.001 0.020 <0.001 <0.001 0.044 <0.001 <0.001 0.430

Post-drought period

Day 0.953 0.017 0.118 0.002 <0.001 0.527 <0.001 0.002 <0.001

Substratum <0.001 <0.001 <0.001 <0.001 <0.001 0.002 <0.001 <0.001 0.359

Day 9 S 0.766 0.200 0.283 0.179 0.047 0.302 <0.001 <0.001 0.005

Probability within groups (Day and Day 9 S) are corrected for sphericity by the Greenhouse–Geisser correction. All probabilities are

adjusted by the Dunn–Sidak correction. Values \0.05 are indicated in boldface type
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increased in the sand biofilms up to the end of June

(Table 1, Day 9 S interaction effects; Fig. 2). The

first rains after the drought caused an instantaneous

recovery of live bacterial density in water and

cobbles (MANOVA, P \ 0.02).

The total number of bacteria (live plus dead cells)

was higher in leaf and sandy material (3 9 108

bacteria cm-2) than on cobble biofilms (5 9 106

bacteria cm-2) both in the pre- and post-drought

periods. However, the highest number of active

bacteria was observed on cobble biofilms, followed

by leaf material, sand biofilms, and finally in the

stream water.

Extracellular enzyme activities

The extracellular enzyme activities measured in the

dissolved water fraction followed a similar pattern

than in the particulate fraction (Fig. 3). The extra-

cellular enzyme activities progressively decreased

when the stream dried out (RM-ANOVA, Day effect

P \ 0.001). Enzymatic activities peaked after the

rewetting, coinciding with that in the proportion of

active bacteria (Fig. 2).

The enzyme activities in the benthic substrata

(Fig. 4) followed similar patterns as those in the

water except for b-glucosidase activity. Leucine

aminopeptidase and lipase activities decreased during

the drying process while b-glucosidase activity

increased (Table 1, Day effect). After rewetting,

enzyme activities recovered and were maintained at

similar levels to those before drought. b-glucosidase

activity before and after drought was the lowest in

leaf material whereas peptidase activity had the
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lowest values in the sand biofilm (Table 1, Substra-

tum effect; Fig. 4). Lipase activity behavior was

similar during the drought process for the three

benthic substrata; however, after drought lipase

activity recovered faster on leaves and sand biofilm

(Table 1, Day 9 S effects; Fig. 4).

During the whole study period, b-glucosidase

activity on the benthic substrata was the highest,

followed by leucine aminopeptidase, and then, with

very low values by lipase. However, in the stream

water leucine aminopeptidase activity was the highest

followed by b-glucosidase, and finally by lipase.

Organic matter composition

Water

Polysaccharides accumulated in the particulate water

fraction while amino acids decreased (RM-ANOVA,

Day effect, P \ 0.000; Fig. 5) in the pre-drought

period. Total lipids in water also accumulated

during the pre-drought period (RM-ANOVA, Day

effect, P \ 0.000; Fig. 5). During the post-drought

period, time differences in OM composition were not

detected.
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In the dissolved water fraction, polysaccharide and

amino acid content decreased (RM-ANOVA, Day

effect, P \ 0.000; Fig. 5) during the pre-drought

period. Dissolved polysaccharides reduced from 12%

to a 5% of total DOC during the pre-drought period

(Fig. 6). Similarly, total dissolved amino acids

reduced from 5.6% to 3% of total DOC during the

same period (Fig. 6).

A peak of polysaccharides and peptides in the

dissolved water fraction occurred immediately after

rewetting (Fig. 5). These peaks contributed to the

immediate increases of DOC and DON (Fig. 1). At

this rewetting moment, polysaccharides accounted

for 20% of total DOC, and amino acids were 3% of

total DOC (Fig. 6). When basal water flow conditions

were re-established (end of post-drought period),

amino acids had increased up to 4% of total DOC

(Fig. 6).

Benthic substrata

Total polysaccharides, amino acid, and lipid content

per dry weight showed significant time differences as

the stream dried out. The amino acid content (most

notably) and the lipid and polysaccharide content

decreased in sand and cobbles (Table 1, Day 9 S

interaction; Fig. 5) in parallel with the progressive

decrease in benthic chlorophyll content. However,

polysaccharide and lipids increased on the leaf

material.

In the post-drought period, differences between

benthic substrata were evidenced by the highest
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values of polysaccharides (most remarkably) and

lipids in leaves, as well as low amino acids in sand

biofilms (Table 1, Substratum effect).

Total polysaccharides, amino acid, and lipid

content per dry weight on the benthic substrata were

higher when the stream was dried out than at the

rewetting (MANOVA, P \ 0.05).

Relationships between extracellular enzyme

activities and organic matter

The extracellular enzyme activities in the stream

water were higher when the available OM from the

benthic substrata was also high. b-glucosidase in the

stream water was correlated with the polysaccharide

content in cobble biofilms (r = 0.674, P = 0.033),

and lipase in the stream water was correlated with

lipid content in cobble biofilms (r = 0.766, P =

0.010). Furthermore, in some moments, the available

dissolved OM was also related to the water enzyme

activities. In the post-drought period, b-glucosidase

activity measured in the dissolved water fraction was

correlated to the polysaccharide content in it (r =

0.978, P = 0.001), while peptidase activity in this

same water fraction was associated with the amino

acid availability in it (r = 0.847, P = 0.033).

The enzyme activities on the benthic substrata

were significantly related to their OM composition.

Peptidase activity on cobbles and sand biofilms

and in leaf material were positively related with their

amino acid content (R2 = 0.663, P \ 0.001) accord-

ing to a linear regression (Fig. 7). In contrast,

b-glucosidase was negatively and exponentially

related to substratum-associated polysaccharides

(R2 = 0.147, P = 0.021; Fig. 7), mainly showing

that in the lower range of polysaccharide content (as

it occurs in cobbles and sand), there can be high

b-glucosidase activity which decreases rapidly with

increasing polysaccharide content; and in the higher

range (as it occurs in leaves) changes in polysaccha-

ride content are not affecting the b-glucosidase

activities which are very low (Fig. 7). No significant

relationship was found between lipase and the

respective lipid composition of benthos (Fig. 7).

Discussion

Drought and rewetting caused mostly two linked

effects in the Mediterranean forested stream: (1)

changes in the microbial use of available organic

matter, and (2) changes in downstream loss of OM

dynamics.

Drought affected the availability of OM for

microbial use as well as its food quality, in a

differential way in the pre- and post-drought periods.
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Drought events in Mediterranean river ecosystems

have a great effect not only on hydrologic and

biogeochemical conditions but also on OM availabil-

ity, use, and recycling (Sabater & Tockner, 2010).

Droughts affect the biota and the stream ecosystem in

a degree according to their duration and time of

occurrence (Boulton, 2003; Lehner et al., 2006). As

drying proceeds, shallow surface habitats such as

riffles disappear first, and a series of fragmented

pools remain together with a low water flow in the

hyporheic zone (Lake, 2003). Increases in water flow

may cause a complete resetting of the physical

habitat, as well as the downstream drift of many

individuals and materials. It has been observed that

the biogeochemical response to water flow increases

is closely linked to the previous hydrologic ‘‘history’’

of the system (duration of drought) (Vázquez et al.,

2007). Our observations during the drying and hydro-

logic recovery of a Mediterranean stream indicate that

the processes occurring during the post-drought period

(the fast recovery of active bacteria and most extra-

cellular enzyme activities; the transport of high quality

OM) are related to those occurring during the

pre-drought period.

In Mediterranean streams, the major drought

period takes place in early to mid summer. Prior to

this period, we expect the highest accumulation of

benthic material derived from in-stream primary

producers. In the Fuirosos, the optimal period for

the development and growth of the biofilm commu-

nities is in the spring. The high availability of light

and nutrients, as well as the steady hydrologic

conditions in that period, led to very high biofilm

biomass as well as to high primary production and

microbial metabolism (Ylla et al., 2007). High quality

OM (mainly rich in peptides and polysaccharides) is,

therefore, available to the stream food web during

that period. The abundance of algal material, with

equal contributions of amino acids and carbohydrates

and lower amounts of lipids (Harvey & Mannino,

2001) probably explain the higher leucine aminopep-

tidase and b-glucosidase activity in the benthic

substrata, as well as the lower lipase activity.

When discharge declines and the stream dries out,

hydric stress on aquatic biota causes a gradual loss

(faster in the last days with flowing water) of aquatic

habitat, depletion of food resources and a decline in

water quality. As the dry season progresses and water

flow is even more reduced, habitat conditions become

harsher (Gasith & Resh, 1999), transport of OM

(detritus, leaves and plant material) and fine sedi-

ments declines and high quantities of OM are stored

in pools (Cuffney & Wallace, 1989; Boulton &

Lake, 1992; Wright & Symes, 1999). In addition,

conductivity and water temperature rise, and low

oxygen levels lead to facultative aerobic and anaerobic

respiration.
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In the Fuirosos, these physical and biogeochemical

changes were accompanied by variations in the

quantity and quality of the OM and in its use by

the microbial biota. During the drought process, there

was a progressive decrease of the polysaccharide,

amino acid, and lipid content in cobbles and sand

biofilms. The loss of high quality OM during this

period is striking, and is probably due to decaying

organisms. In the final stages of the drought, when

water ceased to flow, such effects were more

substantial on the epilithic material than on the

epipsammic and epixylic. At the same time, water

was progressively enriched in its particulate fraction,

with higher polysaccharide and lipid content, but

lower peptide content. Besides, in the dissolved water

fraction there was a reduction of polysaccharides and

amino acid content. Altogether, the quality and

biodegradability of materials in the dissolved fraction

progressively decreased during the drought. Polysac-

charide plus amino acid content decreased from 18 to

8% of total DOC throughout the drying process

(Fig. 6). These changes in the quality of the OM were

accompanied by changes in extracellular enzyme

activities in the benthic substrata: leucine aminopep-

tidase and lipase activities decreased, and b-glucosi-

dase activity increased during the drought period.

Therefore, as drought progressed, stream microbial

heterotrophs mostly used the lowest quality OM

(polysaccharides, providing only C), since peptides

(providing N and C) were no longer available. At the

same time, the expression of extracellular enzyme

activities was modulated by the nature of available

OM in each substratum (Artigas et al., 2008). This

was evidenced by the positive relationship between

amino acid content of benthic substrata and leucine–

aminopeptidase activity (Fig. 7). However, the oppo-

site relationship was found for the b-glucosidase

activity and polysaccharide content, eventually

resulting in no relationship between high polysac-

charide content and b-glucosidase. This might be

related to the use of the available polysaccharides

from the particulate water fraction during drought,

when polysaccharides in cobbles and sand biofilms

decrease.

The harsh conditions for the microbial community

during the drying of the stream caused a reduction of

both algae (reduction in chlorophyll) and active

bacteria. Lower algal density during drought is

related to cells breaking under desiccation (Usher &

Blinn, 1990; Peterson et al., 2001; Stanley et al.,

2004). Hydric stress is also lethal to bacterial cells by

damaging membranes, proteins, and nucleic acids

(Billi & Potts, 2002). Further, the decrease in

DOC inputs during drought may lead to C limitation,

and consequently lower heterotrophic production

(Humphries & Baldwin, 2003). Harsh conditions

were more evident on cobble biofilms than on sand

biofilms and leaf material, where moist conditions

could be more easily maintained, providing a place in

which aquatic bacterial communities could survive

(Amalfitano et al., 2008).

The return of water to a previously dry streambed

can be seen as a ‘‘hot biogeochemical moment’’

(McClain et al., 2003). Biogeochemical reactions

restart or accelerate after long quiescent periods.

Aerobic penetration increases in previously dry

sediments as once anaerobic zones become aerobic

(Baldwin & Mitchell, 2000). Re-wetted sediments

liberate phosphorus and nitrogen, as a consequence of

death-induced microbial cell lysis, which again may

enhance instream primary productivity. Such enor-

mous changes were recorded in the Fuirosos when the

first rains occurred in autumn. The September flow

peak basically had two effects: the cleaning of the

streambed and the downstream transport of materials,

and the simultaneous import of OM from upstream.

This flow moved and redistributed streambed mate-

rials, including the OM accumulated on the stream-

bed during drought. This OM was mostly made up of

allochthonous (terrestrial) material coming from the

decaying leaves and plant litter. This leaf material

produce a fresh and biodegradable high quality

lixiviates (Francis & Sheldon, 2002). There is also

a noticeable fraction of autochthonous material

derived from algal origin. The cleaning effect of the

flow peak reduced the total amount of dry weight per

cm2 and reduced the polysaccharide, peptide, and

amino acid content of the benthic materials. There

was a mobilization of OM downstream, and high

polysaccharide and amino acid concentrations were

detected, especially in the dissolved water fraction.

At that moment, these high polysaccharides and

amino acids concentrations accounted for 30% of the

total DOC, indicating a high loading of high quality

OM. The high DOC, BDOC and DON concentrations

after rewetting revealed the remarkable transport of

dissolved C and N compounds following the first

important rains.
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The high availability of OM during the peak flow

was related to the high metabolic activities (extra-

cellular enzyme activities and active bacteria)

recorded in the stream water. This initial response

after rewetting lasted for a week, and then values

returned to basal levels. Bioavailability of materials

returns to basal flow levels at the end of the flow peak

(Stepanauskas et al., 2000). During the flow peak

there is, therefore, fast and efficient microbial use of

the available labile fresh material transported during

the rewetting period (Romanı́ et al., 2006).

In spite of the substantial losses of benthic material

during the peak flow, microbial activity recovered

immediately after rewetting. The existence of refuges

in the stream (for instance in the hyporheic), as well as

the capacity of the biota to recover from droughts once

these have finished, may explain the fast recovery.

Robson (2000) determined that the presence of dry

residual biofilms on rocks enhanced recovery and

strongly influenced community development. Cobbles,

litter, and coarse woody debris in the dry streambed

could be used as refuges for microbial organisms (Bond

et al., 2008). The physiological plasticity of some taxa

makes them able to withstand extreme desiccation and

recover rapidly (Stanley et al., 2004). For example,

desiccated cyanobacterial mats, started to photosynthe-

size in the laboratory within 2 h after rewetting

(Romanı́ & Sabater, 1997). The excretion of extracel-

lular polysaccharides by algae and cyanobacteria

facilitates cellular water retention in the biofilm, and

makes rapid rehydration possible. In our study, algae in

sand and leaves were more resilient to the drought than

algae on cobble.

In conclusion, the dynamics of progressive and

gradual drought effects, as well as the fast and

punctuated recover after rewetting, might be affected

by the interaction of the individual dynamics of each

benthic substratum. As an example, while sediments

provide refuge during desiccation, recovery of living

bacteria and algal biomass is faster on cobbles; leaf

material serves as a refuge and as a source of OM

during the whole period. Since global climate change

may favor a higher intensity and frequency of

droughts in streams (Arnell et al., 1996), understand-

ing the effects of these disturbances on the materials

and biota will contribute to reliable resource man-

agement (Lake, 2003). The maintenance of benthic

substrata heterogeneity within the stream may

increase resilience of stream ecosystem processes

with increasing frequency and duration of drought-

rewetting disturbances.

Acknowledgments This study was funded by projects CGL

2007-65549/BOS and CGL2008-05618-C02/BOS of the Spanish

Ministry of Science and Innovation and SCARCE (Consolider-

Ingenio CSD2009-00065). Andrea Butturini participation was

funded by GCL200760144. We thank Francesco Ricciardi for his

help with the amino acid analysis, Aitor Larrañaga for his help with
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Abstract There is evidence of an ongoing alteration

of the flow regime owing to climate change forcing,

which has resulted in substantial increases in the

frequency and magnitude of extreme events such as

floods and droughts. Such changes in the flow regime

may have major implications in freshwater ecosystems

and, in particular, in the organic carbon dynamics in

semiarid stream ecosystems. Much is known about the

role of extreme flow events on structuring stream

ecosystems, but few studies explored the effects of

extreme flow events magnitude, timing, and sequence

on stream ecosystems. To assess the effect of extreme

events on stream organic C dynamics, a simple and

flexible modeling approach was applied to simulate the

organic carbon dynamics in a simplified river reach.

The river reach model was initially calibrated and

tested using long-term data for stream water velocity

and amount of organic carbon in sediment. After that,

multiple scenarios differing in the extreme flow events

(floods and droughts) sequence and magnitude were

used to simulate the effects of possible flow regime

changes on the stream organic carbon dynamics. Initial

expectations were that: (i) an increase in the magnitude

or frequency of extreme flow events would reduce the

amount of organic carbon respired within the simu-

lated river reach, and (ii) relationship between the

timings of the extreme flow events and of the litterfall

input would influence considerably the effects of the

extreme flow events. Results pointed out that: (i) the

amount of processed carbon respect the amount

entering the ecosystem was affected by extreme events

such floods and droughts, but the relevance of those

events differed along the year, with a maximal effect

during the litterfall period; (ii) extreme event timing

rather than the magnitude was more relevant to the

stream organic carbon dynamics; and (iii) the amount

of respired carbon in the ecosystem could be amplified

or reduced depending on event sequence. Increasing

awareness of the role of inland waters in the global

carbon cycle and the shaping role of hydrology on the

stream organic carbon dynamics stress the need to

better quantify carbon fluxes and the hydrological

controls on these fluxes.

Keywords Global climate change �
Extreme flow events � Freshwater ecosystems �
Modeling � Global carbon cycle � Stream metabolism

Introduction

Flow fluctuation is an important ecological driver in

stream ecosystems. Flow fluctuations are however
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undergoing major changes owing to climate change

forcing, which has resulted in substantial increases in

the frequency and magnitude of flow fluctuations in

many stream ecosystems. In this direction, several

studies reported an increasing frequency and intensity

of extreme hydrologic events (e.g., New et al., 2001;

Huntington, 2006; Hirabayashi et al., 2008), as well

as of events such as ENSO over the past decades

(Huntington, 2006; IPCC, 2007). Furthermore, another

consequence of climate change might be changes

in the timing of river flows (Schindler, 2001). In

particular, Mediterranean streams are predicted to

undergo severe alterations in the flow regime because

of a decrease in the number of precipitation days, and

an increase in days with heavy rains (Hirabayashi

et al., 2008; Sillmann & Roeckner, 2008). Regional

climatic models for southern Europe predict an

increase in the frequency and duration of heat waves

and heavy rainfall events during summer (Sanchez

et al., 2004; Giorgi & Lionello, 2008), and stress that

the Mediterranean might be an especially vulnerable

region to global change (Giorgi & Lionello, 2008).

Therefore, more extreme and unpredictable flow

events, such as floods and droughts, are anticipated,

thereby creating novel environmental conditions in

stream ecosystems.

The effects of gradual climatic trends such as

global warming on ecosystems have been studied in

much more detail than sudden events (Jentsch et al.,

2007). In stream ecology, there are however numerous

studies exploring the effects of extreme flow events

such as floods and droughts, particularly in arid and

semiarid regions (e.g., Grimm & Fisher, 1989;

Boulton & Lake, 1992; Stanley et al., 1994; Acuña

et al., 2004, 2005). Among those studies, few

attempted to characterize the distinct effects of

extreme events magnitude and timing or the effects

of the sequence of flow events.

Freshwaters receive approximately 1.9 Pg C year-1

from the terrestrial system at the global scale, of which

approximately 0.9 Pg C year-1 finally enters the

oceans (Cole et al., 2007). Hence, slightly more than

half of the organic C that enters freshwaters is either

stored in lakes, reservoirs, and fringing wetlands, or it

escapes to the atmosphere as CO2 or CH4 after

biological processing (Cole et al., 2007). So far, studies

on the role of inland waters in the global C cycle

focused on improving the C continental balances, but

the role of hydrology has been only addressed by few

studies (e.g., Algesten et al., 2004). There are however

studies showing that flow extremes may have a strong

influence on the stream organic C dynamics (Acuña

et al., 2004). Overall, the lack of studies and the

indications about the potential relevance of flow regime

on the C dynamics stress, therefore, the need to better

study the effect of extreme events if aiming to do good

predictions of the effects of climate change on the

global C cycle.

To address the lack of understanding about the

distinct effects of magnitude and timing, as well as

sequence of extreme flow events, we modeled the

organic C dynamics in a Mediterranean headwater

stream ecosystem. This study tested the responses of

downstream transport, respiration, and C storage to:

individual extreme events of both types of varying

magnitude (1), sequences that included floods and

droughts at different times (2). Initial hypothesis was

that the changes in the timing rather than the

magnitude of extreme flow events are relevant for

the stream organic C dynamics. The rationale of the

hypothesis lies on a previous study by Acuña et al.

(2007), which reported differential effects of floods

on the organic C dynamics depending on the season.

Methods

Study approach

A simple model was used to simulate organic C

dynamics in river reaches. The first step was to

evaluate different formulations of processes affecting

organic C dynamics at the reach level. The respective

models were evaluated using an extensive data set

from a Mediterranean headwater forested stream

(Fuirosos stream, NE Iberian Peninsula). The best-fit

model was selected to simulate organic C dynamics

under different discharge scenarios. Model simula-

tions were performed with the computer program

AQUASIM (version 2.1f), which is designed for the

simulation of aquatic systems (Reichert, 1994, 1998).

Reach-scale models development and selection

Given that there is no ‘‘true’’ model, but a number of

adequate simplifying descriptions of the complex real

system, we compared 12 competing models with

alternative formulations of the processes affecting the
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stream organic C dynamics. We fitted all models to the

observed data from the Fuirosos stream (Acuña et al.,

2004, 2007) and ranked them based on the goodness of

fit (Chatfield, 1995; Johnson & Omland, 2004).

The reach-scale models were designed as mixed

reactors of variable water volume, with constant

length (100 m) and width (2 m), with water inflow

and outflow, and inputs and transformation processes

of organic C which could be suspended (Csusp) or

deposited at the sediment (Csed) (Fig. 1). Note that

both forms of C, Csed and Csusp were in particulate

form, so that no dissolved forms of C were consid-

ered in the model. For water inflow data, we used real

discharge data from the Fuirosos stream (from

November 2001 to December 2002). Water outflow

was calculated as the product of an empirical

discharge-volume coefficient (cQ) (day-1 m-3/2)

and the power of the water volume (V) (m3) by a

second empirical discharge-volume coefficient (cV),

so cQ 9 VcV. The organic C input to the mixed

reactor was modeled as coarse particulate organic C

from terrestrial origin, with a seasonal component

following the litterfall dynamics of riparian forests

dominated by deciduous species (data from the

Fuirosos stream; Acuña et al., 2007).

The modeled transformation processes of organic

C inside the reactors were sedimentation, resuspen-

sion, and respiration. Among these processes, sedi-

mentation was the only one with the same

formulation in all models, which was the product of

Csusp by the sedimentation velocity (vsed) (m day-1)

(Table 1). For resuspension or movement of C from

the streambed into the water column, two different

processes were involved, namely resuspension and

catastrophic removal during floods. Resuspension

was, in contrast to catastrophic removal, active

during the entire simulations, and was assumed to

be proportional to the product of discharge (Q)

(m3 day-1) and the amount of organic C in sediment

exceeding a minimum value (Csed,0) (Table 1). Dif-

ferences among resuspension formulations relied on

the value of the exponent of Q, the exponent of the

difference between Csed and Csed,0, and the different

values of the empirical resuspension coefficient

(cresusp) (Table 1). Catastrophic removal of C from

the streambed occurred only during floods, and was

considered as discharges exceeding a critical thresh-

old of discharge determined in a previous study in the

Fuirosos stream (50,000 m3 day-1; Acuña et al.,

2007). Thus, discharge values above this threshold

implied the activation of this process, which due to

the high value of kflood (= 100 day-1), involved rapid

falls of Csed, which approached then Csed,0 (minimum

amount of Csed that remains despite floods) (2.1 in

Table 1). The rationales for these formulations were:

(i) resuspension is assumed to be a process propor-

tional to the bottom shear stress, and based on the

Manning-Strickler friction law for a rectangular

channel such that simulated the bottom shear stress

should vary with Q3/5 (Chow, 1959; Henderson,

1966) (3.1 in Table 1); (ii) the concentration and

abrasive impact of suspended particles increase with

Q, and therefore a resuspension rate proportional to

Q2 was used (Uehlinger et al., 1996) (3.2 in Table 1);

and (iii) resuspension may increase more rapidly with

growing thickness of the layer of accumulated

Fig. 1 Schematic diagram of the used reach-scale model

Table 1 Alternative formulations for the transformation processes of organic C

Sedimentation Catastrophic removal Resuspension Respiration

1.1 Csuspvsed 2.1 kflood(Q)i(Csed - Csed,0) 3.1 c0resuspQ
3=5
i Csed � Csed;0

� �
4.1 RT0

Csed

Csedþksed
eE T�T0ð Þ=kTT0

2.2 Inactive 3.2 c00resuspQ2
i Csed � Csed;0

� �
4.2 RT0

Csed

Csedþk0
sed

eE T�T0ð Þ=kTT0

3.3 c000resuspQi Csed � Csed;0

� �2
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organic C at the streambed, and a proportional loss to

the square of X was accordingly tried (Uehlinger

et al., 1996) (3.3 in Table 1).

Finally, respiration was formulated in two different

ways, including or excluding a term accounting for the

effects of the amount of Csed on respiration (4.1 and

4.2 in Table 1). Thus, a maximum respiration rate

(g C m-2 day-1) at the reference temperature T0 (RT0
)

was influenced in both formulations by water temper-

ature following the universal temperature dependence

of biological processes (Gillooly et al., 2001). In this

term, T and T0 were water temperatures in K, E was the

activation energy (0.62 eV), and k was Boltzmann’s

constant (8.616 9 10-5 eV K-1). Note that the used

reference temperature was 20�C, and that RT0
is

expressed as R20 in further sections. A Monod-type

formulation was used for the term accounting for the

effects Csed on respiration, where ksed (g C m-2) was

the half-saturation coefficient. Note that there was a

term accounting for the effect of Csed in both

alternative formulations for respiration to avoid active

respiration at Csed \ 0. Furthermore, there was

another term in both formulations to avoid active

respiration at V = 0, so that there was no respiration

on dry streambeds. The difference between the

formulations relied on ksed, as ksed ranged between 2

and 10 g C m-2 (4.1 in Table 1), while k0sed was set to

0 (4.2 in Table 1).

A total of 12 alternative models were indepen-

dently fitted to observed Csed in the Fuirosos stream

(data from Acuña et al., 2004). Note that the use of

Csed as target variable for the model calibration

allowed the determination of all 5 model parameters,

as Csed was affected by all active processes in the

model (sedimentation, resuspension and respiration).

The 12 models arose from the combination of:

(i) inclusion or exclusion of catastrophic removal

by floods (2.1 or 2.2 in Table 1), (ii) the three

formulations for resuspension (3.1, 3.2 or 3.3 in

Table 1), and (iii) the two formulations for respiration

(4.1 or 4.2 in Table 1). Specifically, a stepwise

calibration (two steps) was performed given that the

simulated C dynamics strongly depend on the accu-

racy of the simulated water flows. Therefore, both

discharge-volume coefficients were determined after

fitting the modeled water velocity to the observed

water velocity in the Fuirosos stream (n = 25) (data

from Acuña et al., 2004). After this hydrological

calibration, all alternative models were then evaluated,

leading to a series of calculations of different model

complexity. The best performing model (lowest v2)

was then selected and used to simulate stream organic

C dynamics under different flow conditions.

Model simulations

Ninety-six annual flow regimes were assembled in

order to test for the effect of timing, magnitude, and

sequence of extreme flow events, considering mag-

nitude as the temporal length of the extreme flow

event rather than the magnitude of the maximum

flow. Flood magnitude was simulated as floods

exceeding the critical threshold of 100 L/s during

5 (I1), 10 (I2), or 15 (I3) days; while flood timing was

explored by simulating floods at each month during

the year. Thus, 36 annual flow records were simulated

(12 months 9 3 magnitudes = 36 simulation scenar-

ios) (Fig. 2a). Similarly, drought magnitude was

simulated as zero flows during 5 (I1), 10 (I2), or 15

(I3) days for 12 months (36 simulation scenarios)

(Fig. 2b). Finally, the relevance of flow extremes

sequence was explored by simulating sequences of

flood–drought or drought–flood for the same months

used for the drought scenarios (12 months 9 2

sequences = 24 simulation scenarios) (Fig. 2c).

Given that there were periods with nonflow for some

of the simulated flow regimes, the formulation and

stoichiometric coefficients for the C input from the

terrestrial systems had to be adapted, so that the C

entering the mixed reactor could become either Csusp

during periods with flow or Csed during periods of no

flow, thus assuming C inputs to deposit directly on the

sediment during dry conditions. Simulations were

made for 500 days, but only the values from days 150

to 500 were used for the analyses in order to avoid

dependence on the initial conditions. In order to assess

the impact of the flow extremes on the stream organic C

dynamics, results are primarily expressed as the amount

of C respired within the simulated reach respect all C

entering the reach (as ratio of processed to total C).

Results

Model evaluation

Hydrologic model coefficients were optimized to

obtain the best match between simulated and
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measured water velocity. The results of the parameter

fit of the reach-scale model are shown in Fig. 3a. The

values of cQ (= 1.96 day-1 m-3/2) and cV (= 1.5)

were further used for all alternative models devel-

oped to simulate organic C dynamics.

The results of the best three models among the 12

tested alternative reach-scale models are summarized

in Table 2. Among these, the model 1.1, 2.2, 3.1, 4.1

was the best supported by the observed data (see

Eqs. 1 and 2 for details) (Fig. 3b), and was therefore

selected to explore the effect of extreme flow events

magnitude, timing, and sequence:

dCsusp

dt
¼ LF

1

wihi
þ cresuspQ

3=5
i Csed � Csed;0

� �

� Csuspvsed ð1Þ
dCsed

dt
¼LF

1

wi
þ Csuspvsed � cresuspQ

3=5
i Csed � Csed;0

� �

� RT0

Csed

Csed þ ksed

eE T�T0ð Þ=kTT0 ð2Þ

where w was the mixed reactor width, h the mixed

reactor depth, and LF the litterfall time series

(g C m-1 day-1). In this model, Csusp depended on

litterfall, resuspension (3.1), and sedimentation, while

Csed depended on litterfall (only active during nonflow

conditions), sedimentation (1.1), resuspension and

respiration with dependence on temperature and on

the amount of Csed (4.1).

Fig. 2 Selected data series to explore the effects of flood

magnitude and timing (a), drought magnitude and timing

(b), and sequence of extreme flow events (c). Note that the

magnitude of the extreme flow events corresponds to 5 (I1),

10 (I2), and 15 (I3) days

Fig. 3 Temporal changes in observed and predicted data for

a water velocity and b Csed. Note that the predicted Csed

corresponds to the reach-scale model with the formula showing

the best fit (1.1, 2.2, 3.1, 4.1; see Table 1 for details)
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Effects of extreme flow events timing

and magnitude

The temporal dynamics of both forms of instream C

(Csed and Csusp) differed considerable among scenar-

ios, reacting very sensitively to extreme flow events.

During nonflow periods, C accumulated at the dry

streambed due to a combination of physical storage

and very low respiration rates. In contrast, simulated

floods enhanced resuspension of Csed and a sharp

increase in Csusp, leading in few days to the minimum

allowed Csed by the model (Csed,0).

Floods and droughts had a different effect on the

amount of C respired within the simulated reach, as

floods decreased much more than droughts the ratio

of processed to total organic C (Table 3). As shown

in Table 3, higher magnitudes of both floods and

droughts involved a decrease in the ratio, but the

decreases were more important for floods. For

example, floods of magnitude 2 involved a decrease

of 3% (from 0.5026 to 0.4871), while droughts of

magnitude 2 involved a decrease of only 0.5% (from

0.5026 to 0.5003).

The effects of timing and magnitude were different

between floods and droughts, as both timing and

magnitude of floods were more influential on the

stream organic C dynamics. Thus, the major rele-

vance of floods respect floods was reflected in larger

temporal variability in the ratios of processed to total

organic C between months (Fig. 4). Indeed, there

were considerable differences along the annual cycle,

so that floods had a different effect on the C balance

of the stream depending on the month of the year. For

example, floods in March had little effect on the ratio

of processed to total C, while the effect on November

was the highest (Fig. 4a). The differences in the

standard deviations along the year observed in the

error bars in Fig. 4a reflected the varying relevance of

flood magnitude along the year, so that changes in the

flood magnitude were almost irrelevant in March

(standard deviation of 0.001), but highly relevant in

November (0.012). The effect of droughts on the C

balance of the stream also depended on the month of

the year, but the differences among months were

smaller (Fig. 4b), as well as the variability between

magnitudes for each month.

Effects of extreme flow events sequence

The sequence of extreme events seemed to be an

important determinant of the stream organic C

dynamics, as the sequence of drought–flood appeared

to have a stronger effect on the ratio of processed to

total C compared with the sequence of flood–drought

(Fig. 5). The differences between both sequences in

terms of reduction of the mentioned ratio varied

along the year, so that the differences between

sequences were minimal from December to April

(differences between 0.004 and 0.009 in the ratio of

processed to total C) and maximal from June to

Table 2 Results of parameter fit (minimization of v2) of the best three alternative models for stream organic C dynamics at the reach

scale

Model codes cresusp (no units) vsed (m day-1) Csed,0 (g C m-2) R20 (g C m-2 day-1) ksed (g C m-2) v2

0.00005–0.1 10–500 0.01–6 4–20 2–10

1.1, 2.1, 3.1, 4.1 0.001 107.2 5.53 4 10 21,699

1.1, 2.2, 3.1, 4.1 0.001 106.6 6 4 10 21,697

1.1, 2.2, 3.3, 4.1 0.00005 500 6 4 8 28,392

The first column contains the codes for the selected formulation (see Table 1); columns 2–6 list the final values for the five

parameters. Beneath each parameter (from left to right: resuspension coefficient, sedimentation velocity, minimum Csed, maximum

respiration rate at 20�C, half-saturation coefficient), the units and boundary values are given

Table 3 Effects of extreme flow events magnitude and timing

on the amount of C respired within the simulated reach (as ratio

of processed to total organic C)

Magnitude Floods Droughts

Mean St. deviation Mean St. deviation

5 0.4930 0.006 0.5027 0.001

10 0.4871 0.010 0.5003 0.005

15 0.4814 0.014 0.4977 0.009

The obtained ratios with the simulations with different flood

and drought time and intensity are expressed as mean and

standard deviation per each magnitude (5, 10 and 15 days)
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November (differences between 0.011 and 0.017 in

the ratio of processed to total C) (Fig. 5). The timing

effect was also reflected on the time needed to return

to the initial conditions after the sequence of extreme

flow events. For example, the effects of extreme flow

events in May lasted for 2–3 weeks (Fig. 6a), while

more than 5 weeks were needed in October to return

to original conditions (Fig. 6b).

Discussion

Stream organic C dynamics responded very sensi-

tively to both extreme flow events magnitude and

timing, and showed that the specific sequence of

extreme events played a distinct role on the stream

ecosystem organic C dynamics. On the one hand, the

amount of processed C respect the total amount of C

entering the ecosystem was affected by extreme

events such floods and droughts, but the relevance of

those events differed along the year, with a maximal

effect during the litterfall period. On the other hand,

the amount of respired C in the ecosystem could be

amplified or reduced depending on event sequence.

Those findings indicate that the effects of extreme

events sequences cannot be modeled by simply

Fig. 4 Effects of flood (a) and droughts (b) timing and

magnitude on the amount of C respired within the simulated

reach (as ratio of processed to total organic C). Circles indicate

mean and vertical error bars standard deviation of the ratio of

processed to total C of the three simulated magnitudes (5, 10,

and 15 days) per each month

Fig. 5 Effects of extreme flow sequence on the amount of C

respired within the simulated reach (as ratio of processed to

total organic C) during the annual cycle. Floods and droughts

were simulated as 10 days of discharge above the critical

threshold of 100 L/s or 10 days of zero flow respectively

Fig. 6 Effects of sequence of extreme flow events on

respiration in May (a) and October (b). Floods and droughts

were simulated as 10 days of discharge above the critical

threshold of 500 m3 day-1 or 10 days of zero flow respectively
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adding the separate effects of individual extreme

events but, rather, that models should take into

account event sequences.

Considerations about the modeling approach

The applied mechanistic biogeochemical model was

a trade-off between the empirical and conceptual,

rather than an empirical model. The used reach-scale

model was based on a single mixed reactor unit, and

provided an appropriate characterization of both

water velocity and Csed of the Fuirosos stream despite

its simplicity (Fig. 3).

The differences between observed and predicted

Csed by the reach-scale model may rely on the input

parameters of the model, rather than in the structure

of the model itself. For example, C input in the

model was assumed to be only through particulate

organic C from terrestrial origin, while C in

headwater reaches such as Fuirosos is influenced

by both litterfall and the C entering the reach by

drift from upstream reaches. The error introduced

by ignoring particulate organic C entering the reach

by drift is however apparently not crucial, given that

79% of the particulate organic C entering the

simulated stream enters from the riparian forest

(85 Kg C year-1 from the riparian forest respect

22 Kg C year-1 from upstream reaches; Acuña

et al., 2007).

The use of simple and flexible models to simulate

the effects of different components of climate change

on different characteristics of freshwater ecosystems

has been used by others (e.g., Moore et al., 2008).

The calibration of those models with existing data is a

fundamental step to obtain realistic model parame-

ters. The main shortcut of these models is that it is not

possible to validate their predictions based on

scenarios.

Effects of extreme flow events timing

and magnitude

The stream organic C dynamics reacted very sensi-

tively to extreme events such floods and droughts. The

extreme flow event magnitude was relevant in terms

of effect on the stream organic C dynamics, but the

timing of the extreme events was apparently more

relevant than the magnitude, as the relevance of those

events differed along the year. Temporal differences

in the relevance of extreme flow events along the year

was mainly related with the temporal variability in the

C input to the simulated ecosystem, as litterfall is not

temporarily homogenous along the year but concen-

trated in 3–4 months (from September to November).

In headwater forested streams in most temperate

areas, litterfall is indeed seasonal, as it is ecosystem

respiration, which ranged from 1–2 g O2 m-2 day-1

during late Spring to 30–35 g O2 m-2 day-1 during

late autumn (Acuña et al., 2004). A direct conse-

quence of this seasonality is that any flow alteration

during the litterfall period might have a more

profound effect on the system. The relevance of flow

during this period was reflected in the stronger effect

of extreme flow events on the ratios of processed to

total C (Fig. 4), as well as in the longer effect of

extreme flow events on respiration (Fig. 6). Thus,

floods shortly after litterfall peak input might stream

Csed for a long period, whereas floods shortly before

litterfall peak input have almost no consequences on

Csed. Previous studies in the simulated stream have

shown higher heterotrophic activity during the litter-

fall period, with ecosystem respiration values up to

*35 g O2 m-2 day-1 (Acuña et al., 2004), and the

highest microbial enzyme activities (Artigas et al.,

2009). The results shown by those empirical studies

support the simulation results indicating a major

sensitivity of the ecosystem to extreme flow events

during the litterfall period.

The impacts of shifts in the timing of extreme

events owed to the alteration of the precipitation

regime by climate change might have different

consequences depending on the season, as a shift in

the timing of floods from early winter to fall will have

more important implications than a shift from early

spring to early summer. Other modeling studies have

also stressed the relevance of changes in the seasonal

distribution of river flows on, for example nutrient

loads (Moore et al., 2008). On the other hand,

changes in the litterfall dynamics caused by longer

droughts might also affect the organic C dynamics, as

the sensitivity to floods might slightly decrease if the

litterfall period is stretched. Thus, more intense

droughts might advance the litterfall of the most

drought sensitive deciduous trees from November to

August, temporally extending the litterfall input

(Acuña et al., 2007). A temporally extended supply

of organic C might in turn allow faster recoveries of

Csed after floods during this period.
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Effects of the sequence of extreme flow events

As stated in the previous section, the simulated

stream ecosystem responded to single events of

drought or flood as would be more or less expected

based on the existing literature. However, obtained

results in this modeling study highlighted two

potentially unappreciated issues. First, that response

to multiple extreme events depends on event

sequence, so that sequence order drought–flood

depressed respiration much more than the alternative

sequence flood–drought. Second, that the relevance

of the sequence of extreme flow events had a timing

effect, with maximal differences between the two

explored sequences during late summer and fall

(Fig. 5), that is, the period of maximum litterfall.

Research on extreme events (‘‘event-focused’’ in

contrast to ‘‘trend-focused’’) has increased in recent

years. Numerous examples, ranging from microbiology

and soil science to biogeography, demonstrate how

extreme weather events can accelerate shifts in species

composition and distribution, thereby facilitating

changes in ecosystem functioning (Jentsch et al.,

2007). A more recent study by Miao et al. (2009) has

experimentally pointed out the relevance of extreme

events sequence. Those authors documented, on the

basis of an experiment with seedlings of three types of

subtropical wetland tree species, that mortality can be

amplified and growth can be stimulated depending on

event sequence. There are also some empirical studies

in stream ecosystems showing the effects of the

sequence of extreme events (Acuña et al., 2007;

Artigas et al., 2009). For example, Acuña et al. (2007)

reported that floods occurring after the litterfall

involved massive organic C transport to downstream

system, therefore depleting headwater reaches of

available organic C, while floods occurring before

the litterfall showed lesser influence on the organic C

dynamics. In the same system of the previous study,

Artigas et al. (2009) reported that the autumnal peaks

of microbial biomass and activity were two to three

times lower in years when there was permanent flow

over the dry season compared to years when the flow

was interrupted during the dry season. Despite of the

differences in the nature and approach between these

studies, their conclusions pointed out that the sequence

of extreme events is relevant, as the effects of extreme

events on ecosystems cannot be properly understood

unless the sequence is considered.

Implications for the stream organic C dynamics

The results of this study have noteworthy implications

for understanding and predicting stream organic C

dynamics in response to the ongoing alterations of the

flow regime. The Mediterranean region is experienc-

ing increasingly extreme flow events and is among

the most vulnerable ecosystems to climate change

(Hirabayashi et al., 2008). Results from this study

highlight that the relevance of extreme events for the

stream organic C dynamics strongly depends on the

season, so that, the C cycle could be more or less

affected by the ongoing alteration of the precipitation

patterns if, for example, floods increase during fall

(more influence) or during winter (less influence).

Changes in the timing of extreme flow events can

therefore modify the role of headwater forested

streams in the C cycle, as the ratio of processed to

total C is particularly sensitive to extreme flow events.

In this direction, Acuña & Tockner (2009) stressed that

increasing intermittency extent (number of days with

zero flow) might have a profound effect on the stream

organic C dynamics, with an effect even more relevant

than warming water temperatures. Overall, the rele-

vance of flow regime alterations on the C dynamics

plus the large amounts of organic C processed in inland

waters stress the need to further explore the coupling

between the flow regime and the C cycle.
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Abstract River ecosystems are driven by linked

physical, chemical, and biological subsystems, which

operate over different temporal and spatial domains.

This complexity increases uncertainty in ecological

forecasts, and impedes preparation for the ecological

consequences of climate change. We describe a

recently developed ‘‘multi-modeling’’ system for

ecological forecasting in a 7600 km2 watershed in

the North American Great Lakes Basin. Using a

series of linked land cover, climate, hydrologic,

hydraulic, thermal, loading, and biological response

models, we examined how changes in both land cover

and climate may interact to shape the habitat

suitability of river segments for common sport fishes

and alter patterns of biological integrity. In scenario-

based modeling, both climate and land use change

altered multiple ecosystem properties. Because water

temperature has a controlling influence on species

distributions, sport fishes were overall more sensitive

to climate change than to land cover change.

However, community-based biological integrity met-

rics were more sensitive to land use change than

climate change; as were nutrient export rates. We

discuss the implications of this result for regional

preparations for climate change adaptation, and the

extent to which the result may be constrained by our

modeling methodology.
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Introduction

River ecosystems consist of complex linkages

between dynamic physical, chemical, and biological

subsystems; each operating at different characteristic

spatial scales and frequencies (Maxwell et al., 1995).

This complexity makes ecological forecasting diffi-

cult; the ensuing methodological uncertainty being

one of the obstacles slowing regional preparation for

anticipated ecological impacts of climate change

(NRC, 2007). Climate forecasters frequently employ

‘‘ensemble’’ modeling approaches (e.g., Murphy

et al., 2004) in which multiple models of the same

endpoint, each with its own characteristic strengths

and weaknesses, are used together to generate more

robust forecasts and to quantitatively evaluate model

specification-related errors. In control systems engi-

neering ‘‘multi-modeling’’ systems link a series of

separately optimized models that describe distinct

aspects (parameter domains) of a single problem in

order to represent and control complex dynamic,

nonlinear system processes (Johansen & Murray-

Smith, 1997). In contrast, most water quality, hydro-

logic and fisheries forecasting typically involves

single model simulations that are designed for the

detailed representation of a single endpoint or suite of

related parameters of interest. Examples of this ‘‘one-

at-a time’’ approach in the river management field are

legion. Even widely used water quality models which

conceptually link hydrologic, hydraulic, and load

generation processes (e.g., SPARROW Schwarz

et al., 2001; SWAT Santhi et al., 2005) still are

largely single purpose constructions which signifi-

cantly abstract hydrologic/hydraulic process detail in

the service of efficient water quality endpoint

predictions.

In real-world management settings groups of

stakeholders representing diverse interests (e.g.,

water quality, fisheries, farming, and forestry) are

forced to understand and make decisions about whole

systems and not constituent parts. For watershed

stakeholders single focus, stand alone modeling often

leads to large collections of partial and sometimes

competing analyses; leaving unanswered the critical

question of how models of different components

should be integrated to evaluate the overall impact of

alternate management strategies and choices. Nor do

they typically provide much sense of forecast uncer-

tainty with respect to the parameters that are

predicted. The utility of a ‘‘multi-modeling’’

approach is that it can provide integrated forecasts

over a wide range of ecological components and

ecosystem services. The need for such forecast

capacity is growing with the urgency of linking

large-scale climate change modeling to local hydro-

logic, water quality, and ultimately biological conse-

quences (e.g., Christensen & Lettenmaier, 2006;

Moore et al., 2009, Nelson et al., 2009). Furthermore,

ensemble modeling capability (multiple representa-

tions of single process domains) is quite easily

implemented inside of a multi-modeling system

(multiple models across multiple process domains),

and this seems a promising approach to evaluating

uncertainty in complex ecological forecasting. Expli-

cit multi-modeling applications in ecological fore-

casting are at present rare; but they are now emerging

in the context of global change preparation (e.g., see

Nelson et al., 2009). Here we describe an analysis

employing this approach to explore land use and

climate change impacts in the Muskegon River

watershed, a major tributary system of Lake Mich-

igan in the USA.

The North American Laurentian Great Lakes

(GL) and tributary watersheds support a $4.3 billion

per year fishery, and the water needs of over 40

million inhabitants including five class one urban

centers (Chicago, Detroit, Toledo, Cleveland, Buf-

falo, and Toronto). The water rich GL basin is likely

to be particularly vulnerable ecologically to antic-

ipated climate change (Kling et al., 2003), but like

many parts of the U.S. has been the subject of only

limited climate change planning to date (NRC,

2007; Dinse et al., 2009). In this paper, we briefly

describe an ecological ‘‘multi-modeling’’ system

developed for integrated assessment and ecological

forecasting on the Muskegon River, a major

watershed in the GL basin (Stevenson et al., 2008;

Wiley et al., 2008). Using a series of linked land

cover, climate, hydrologic, hydraulic, loading, and

biological response models we examined the

potential influence of land management practices

and climate change on the ecological future of this

important tributary of Lake Michigan. Specifically,

we discuss the potential impacts of changes in

climate and land use on water quality, channel

stability, fisheries-relevant habitat, and biological

integrity as reflected in its fish and macroinverte-

brate communities.
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Methods

Study area

The Muskegon River drains 7600 km2 of Michigan’s

Lower Peninsula (Fig. 1). It is the second longest

(*353 km) river in the Lake Michigan watershed

and provides key spawning habitat for the region’s

economically important anadromous (adfluvial) fish-

eries. Included in its headwaters are Higgins

(3,885 ha), Houghton (8,112 ha), and Mitchell-Cad-

illac (1,510 ha) lakes, and along its lower main stem

a series of hydropower reservoirs. The river termi-

nates in an extensive freshwater wetland that drains

to Muskegon Lake, a drowned river mouth basin

connected to Lake Michigan. The river drops a total

of 175 m from its headwaters to Lake Michigan and

has approximately 94 perennial tributaries comprised

of over 2500 km of stream channel (at a scale of

1:100,000).

Over 47% of the watershed is forest. Between

1978 and 1998, the amount of urban in the watershed

nearly doubled from 4% total coverage to over 7%.

Approximately 22% of the agriculture in 1978 was

lost by 1998, largely replaced by forest, which

increased from 44% to 47% during the same 20 year

period. According to the US Census Bureau, 358,184

people live in cities, villages, and townships that were

wholly or partially located within the watershed; this

represents approximately 3.6% of Michigan’s popu-

lation. The largest cities (and year 2000 population)

include Muskegon (40,105), North Shores (22,527),

and Cadillac (10,000). The watershed is located

within a humid, temperature climate zone, receiving

approximately 83 cm of precipitation annually from

1980 to 2005. The basin is dominated by coarse

textured soils atop largely glacial drift deposits. This

combination of climate, topography, and sediment

types produce relatively stable flows in the Muskegon

River that are primarily derived from groundwater

sources (Kendall & Hyndman, in review). At these

latitudes (43–45 N) groundwater dominated rivers

support primarily cold and cool-water fish assem-

blages (Wiley et al., 1997; Zorn et al., 2002; Wehrly

et al., 2003). The Muskegon River supports region-

ally important trout, salmon, and walleye sport

fisheries (O’Neal, 1997).

Modeling approach

The Muskegon River Ecological Modeling System

(MREMS) is a ‘‘multi-model’’ in the sense of

Johansen & Murray-Smith (1997). It consists of a

set of independent component models targeted

toward various aspects of the Muskegon River

ecosystem, using different spatial and temporal

domains as appropriate. Models are synchronized

by shared inputs from climate, land cover, and GIS

river network models, and also by inter-model data

exchange as required. Data geo-referencing protocols

help models operating at different spatial scales to

communicate and integrate outputs. Model execution

mimics the hierarchical organization of real river

ecosystems (Fig. 2) by routing all model calculations

Fig. 1 Muskegon River

watershed. Current and

future forecast land cover

maps used in the land

management scenarios. Pie

diagrams report

corresponding land cover

proportions for entire basin.

Current scenario (1998

baseline) was derived from

hand digitized aerial

photography. BAU and

RUS scenario land covers

generated by LTM2

(Pijanowski et al. 2000,

2002a, b, 2005). The

Muskegon River is tributary

to the Eastern shore of Lake

Michigan (inset)
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from upstream to downstream elements and by

organizing data flows from climate and landscape

structure (land use) models to reach-referenced

distributed hydrologic and physical models. The

output of these in turn are used as input to a series

of biological response models. We developed

MREMS as an open modeling system to which any

type of model could in theory be added. For the

simulations described below, however, the specific

suite of hydrologic, loading, and biological models

are detailed in Table 1. Models were run by research-

ers at separate collaborating universities, and assem-

bled and shared on a central web-accessible server

and data execution directory (http://mwrp.net).

In the simulations reported below, we used the

MREMS system to explore the potential impacts on

the Muskegon River of two climate change scenarios

along with two future land management trajectories.

This study was a part of a larger, long-term,

integrated planning exercise involving 16 watershed

stakeholder organizations, a collaborating group of

university and agency scientists, and a consortium of

regional funders (Wiley et al., 2004, 2008; Stevenson

et al., 2008).

The MREMS framework

The spatial framework of MREMS was adapted from

the MRI-VSEC v1.0 system of Seelbach et al. (2006)

by correcting local mapping errors and transferring it

to the 1:24,000 scale. The VSEC system is a GIS

representation of the drainage net itself, with longi-

tudinal units defined ‘‘ecologically’’; each VSEC unit

is a contiguous channel segment, delimited to repre-

sent a relatively homogenous environment in terms of

parameters meaningful to biological organisms (e.g.,

temperature, hydraulics, chemistry; Seelbach et al.,

2002; Seelbach & Wiley, 2005). Higgins et al. (1999)

referred to units of this type as fish macrohabitats.

Ecological valley segments combine elements of

local valley and channel geomorphology with catch-

ment hydrology, the two dominant forces shaping

riverine habitats. This approach is conceptually

similar to the hydrogeomorphic ‘HGM’ concept used

in wetland assessment (Hauer & Smith, 1998). The

MREMS system identifies 138 distinct channel units

in the Muskegon River, ranging from first to fifth

order. Major reservoirs and Muskegon, Houghton,

Mitchell-Cadillac, and Higgins lakes are included as

separate VSEC units. In MREMS simulations, while

basic computational resolution of constituent models

varies, each directly or indirectly (via a post-

processing) provides output for all 138 segments.

The VSEC unit map then serves as the underlying

skeleton on which model input and output is

organized. Models communicate by placing spatially

referenced outputs into a structured directory system

that is organized by specific timeframe (simulation

year) and problem context (scenario). A complete

MREMS run for a specific scenario involves the

serial execution of the set of component models

(Table 1, Fig. 2) for each time frame, using links to

scenario-specific inputs and outputs. In many cases,

the output written by one model may be used as input

by the next. Model execution order is determined by

data dependency, thus execution order would typi-

cally start with the generation of a land cover map,

followed by hydrologic, chemical and sediment

loading, reach hydraulics (for key fisheries habitats)

and finally biological models.

Overview of component models

Two climate scenarios were used in the simulations

described below. A standard climate scenario was

based on observed weather across the Muskegon

watershed from 1980 to 2005 (Andresen, 2007;

MAWN, 2008; NCDC, 2008) along with NEXRAD

distributed precipitation (Fulton et al., 1998), along

with a solar radiation model prior to the availability

of such data (Yang & Koike, 2005). Hourly measured

and simulated values from each gauge were distrib-

uted across the basin into 425 m grids using an

inverse distance weighted interpolation. Beginning in

1996, NEXRAD data, at 4 km resolution, replaced

interpolated gauge values provided that air temper-

atures are not below 0�C due to calibration issues

with the radar-derived frozen precipitation data

(Jayawickreme & Hyndman, 2007). A climate

change scenario for the end of this century was then

constructed from the standard climate scenario using

A1B scenario model results from the Fourth IPCC

Assessment (Meehl et al., 2007). A1B is a ‘‘conser-

vative’’ forecast and assumes a peak of greenhouse

gas emissions near mid-century, followed by modest

reduction in emissions through 2100 (Nakicenovic,

2000). The IPCC regional model provided predicted

anomalies by month for average daily temperature
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and total daily precipitation. The regional model was

downscaled for our runs by using its’ predicted

anomalies to ‘‘offset’’ our higher resolution ‘‘standard

climate model’’ values. The resulting climate change

scenario model is on average both warmer and wetter

than our standard climate model. It retains, however,

the substantial east–west spatial variability of the

standard model reflecting strong attenuation of lake-

effect thermal buffering and precipitation.

In MREMS modeling, land use/land cover esti-

mates are based on 1:24,000 air photo mapping for

1978 and 1998, and on projections of future land

cover developed for this study using the neural-net

based Land Transformation Model v.3 (LTM:
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a

Fig. 2 MREMS multi-model organization. a Overall model

structure. Climate and Land cover models drove multiple

(shaded box) distributed hydrologic model variants to produce

a series of 20-year basin-wide flow estimates. These in turn

were used to model temperature, hydraulics, material loading,

channel stability, and a suite of biological responses (shaded
box) using models listed in Table 1. Data below show

predicted and observed annual average TP loads for 14

Muskegon River sites sampled during 2002–2004; dashed line

is the one-to-one ratio, verticals represent sample variance as

±2 standard errors. Predicted values are from model runs using

hydrologic variant 2c (below) and are computed from linked

outputs of seven sub component models. b Example of one of

the simpler hydrologic simulation variants (‘‘cr0’’) based on a

linked ILHM and MODFLOW implementation with channel

routing managed by HEC-HMS. Of the four variants, this was

the most mechanistically tractable, carefully preserving hydro-

logic mass-balance in every computational step. Data plotted

below it show predicted and observed annual average daily

discharge (cms) at five permanent (arrows) and several other

short-term gauging stations; dashed line is the one-to-one ratio.

c Hydrologic simulation variant (‘‘m94’’) which linked ILHM

recharge and MODFLOW groundwater estimates with surface

water models managed by HEC-HMS. Data below show

predicted and observed annual average daily discharge (cms) at

five permanent (arrows) and short-term gauging stations;

dashed line is the one-to-one ratio. This was the best

performing of the variants and was used in all of the physical

and biological response estimates reported here
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Pijanowski et al., 2000, 2002a, b, 2005). LTM has

been widely used in the United States, Africa, and

Europe for forecasting and backcasting land cover

distributions in ecological planning contexts (Pija-

nowski et al., 2006, 2007). LTM spatially distributes

prescribed county-level rates of land use transitions

using neural networks to train on the relationship of

surrogates to drivers of land use change. The model

was calibrated using standard land change goodness

of fit statistics (Pontius et al., 2008). Working with a

group of regional stakeholders, we explored a series

of different land management scenarios as a part

of the Muskegon watershed integrated assessment

(Stevenson et al., 2008). Joint stakeholder-modeler

workshops developed a series of land management

scenarios to evaluate potential management strategies

of particular interest to the watershed stakeholders

(including urban sprawl containment, riparian set-

back rules, and agricultural land preservation). For

each scenario, a series of land cover projections was

developed covering the period 2000 to 2090 by

constraining LTM runs with scenario-appropriate

land transformation rules. Of the 13 primary man-

agement scenarios produced, four have been evalu-

ated for sensitivity to climate change to date.

Here we report some of the results from the first

two land management scenario analyses (Fig. 1). In

our Business as Usual (BAU) scenario, a baseline

future landscape reflects a continuation of the average

rates of urban and forest growth observed from 1978

to 1998. In the BAU Scenario urban and forest land

expansions occur at the expense of agriculture, and

farming in this version of the future continues to

decline steadily across the watershed, a pattern

observed in this basin since the 1920s. In our

Reduced Urban Sprawl (RUS) scenario, the LTM

halved the region’s historic rate of urban sprawl, and

allowed forest re-growth to continue at a relatively

high rate. The reduced rate of urban sprawl led to

reduced extent of urbanization which in turn left

more agriculture in place at the end of the 21st

century.

Hydrologic forecasting was based on an ensemble

of four variant simulations that linked a series of

Table 1 Component models linked in MREMS and used in analyses reported here

Model Predicts Type References

LTM v.3 Land use change over time Suite of linked neural net and

linear models

Pijanowski et al. (2002a, 2005)

ILHM Evapo-transpiration,

recharge, runoff, soil

moisture storage, snow

dynamics

Process-based distributed, high

resolution (120 m2 grids)

simulation

Hyndman et al. (2007) and

Kendall & Hyndman (in review)

MODFLOW Water table elevation,

Groundwater flows

Standard FORTRAN codes Harbaugh et al. (2000)

MRI_VSEC 1.0 Basic channel segment and

contributing basin

physical attributes

National hydrography-based GIS

layer with empirical and model-

based attribution

Seelbach et al. (1997, 2006),

Seelbach & Wiley (2005)

HEC-HMS Surface water routing Hydrologic simulation system USACE (2009a, b)

HEC-RAS Surface water hydraulics 1D hydraulic simulation system USACE (2009a, b)

MRI_LOADS, DOMQ Flow-dependent dissolved,

suspended, and bed loads

and channel stability

Regional regression models Baker et al. (2001), Ladewig

(2006), Benson & Thomas

(1966)

RPSTM Daily water temperature

statistics by reach

Reduced –parameter energy

balance with channel routing

Cheng (unpublished)

GLGAP-SFM Reach suitability for key

fish species

Regional CART classification

model for river segments

Steen et al. (2006, 2010)

MRI bioassessment models Probability of ecological

impairment by reach

CART reach classification model

based on regionally normalized

assessment

Wiley et al. (2002)

and Riseng et al. (2006)

DWUA Life-stage specific weighted

useable area analyses

HSI analysis from HEC-RAS

output

Raleigh et al. (1984)

and Tyler (unpublished)
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existing simulation modules including ILHM, MOD-

FLOW, a regional synthetic hydrograph model, and

HEC-HMS channel routing (examples in Fig. 2b and

c). The Integrated Landscape Hydrology Model

(ILHM; Hyndman et al., 2007; Kendall & Hyndman,

in review), is a high resolution, distributed model

developed to evaluate influences of both land use and

climate on hydrology at scales pertinent to land

managers. ILHM simulates all major surface and

near-surface hydrologic processes including evapo-

transpiration (ET), snowmelt, groundwater recharge,

overland flow, and stream discharge. Moisture is

redistributed from precipitation to various subsurface

and surface pathways, including canopy interception,

snowmelt, surface depression storage, infiltration,

evapotranspiration, throughflow, recharge, and

stream routing. Input for the model consists of

gridded topographic, climate, land cover, leaf area

index (LAI), and other available information about

the distribution of soils and glacial sediments. In the

simulations, ILHM recharge estimates were linked to

MODFLOW codes (Harbaugh et al., 2000) to

estimate groundwater flux and accruals to tributary

sub-basins. In two ensemble variants runoff estimates

from ILHM were combined with MODFLOW esti-

mates for each model sub-basin and then routed

through the channel system. These variants repre-

sented the most mechanistically realistic of the four

hydrologic simulations and included a version

(Fig. 2b) which maintained a strict hydrologic

mass-balance throughout all calculations. In the other

two ensemble variants MODFLOW groundwater flux

was combined with calibrated estimates of runoff

from a regional synthetic unit hydrograph model

(Fig. 2c) for downstream routing after corrections for

calibrated estimates of riparian wetland and reservoir

ET losses. Channel routing, data summary, and

output management in all four model variants was

handled in HEC-HMS v3.1.0 (USACE, 1998). Each

model variant provided daily channel flows at each of

the 138 VSEC river segments throughout the basin.

Validation tests indicated that the most accurate

ensemble variant (‘‘mx4’’, Fig. 2c) predicted histor-

ical water balances for the five USGS gauged

locations in the Muskegon basin within 5% of

measured values over the 10-year simulation period

(1996–2005). All four of the model variants fre-

quently over-predicted flows in the lowest zone of

freshwater estuary where backwater effects were

common. In this paper, we used the most accurate of

the hydrologic ensemble simulations to drive all

subsequent loading and biological models as reported

here. We used the entire ensemble of hydrologic

forecasts to explore model variance and error bounds

around modeled hydrologic and loading responses

(see ‘‘Discussion’’ section).

Sediment and nutrient loads were estimated by

linking hydrologic and land cover simulation outputs

to a series of empirical ‘‘instantaneous’’ load regres-

sion models developed from state-wide data sets as part

of the Michigan Rivers Inventory program (Seelbach

& Wiley, 1997). Similar in general approach to the

USGS SPARROW model (Schwarz et al., 2001), the

loading regressions typically explained 85–90% of

the N and P flux from sample catchments; and

simulated load estimates for the Muskegon were well

correlated (e.g., Fig. 2a) with observed fluxes mea-

sured during 2002–2004. Daily average concentrations

were estimated as the ratio of daily loads to daily

discharges. Changes in river channel stability were

assessed for each river segment in terms of relative

deviations from baseline (1980–2005) dominant dis-

charge (Knighton, 1984) magnitudes. When deviations

above or below baseline values exceeded 20%, stream

segments were flagged as unstable and therefore likely

to respond geomorphically. Increasing dominant dis-

charge is associated with more channel and bank

erosion, and sediment transport. Decreasing dominant

discharge is typically associated with channel aggra-

dation, and local bed sediment accumulation. Both

conditions can initiate complex responses in terms of

meander re-configuration, slope adjustment, and

changes in bed material composition and structure

(Schumm, 1977; Knighton, 1984).

Daily water temperatures for each VSEC unit were

estimated using a new reduced parameter energy

balance and channel routing model (RPSTM; Cheng

& Wiley, 2007; Cheng, unpublished). Linked to

HEC-HMS the model uses sub-basin groundwater

flux from ILHM and runoff routing from HMS to

estimate daily minimum, maximum, and mean tem-

perature at the beginning and end of each HMS

hydrologic routing unit.

We modeled the responses of the Muskegon River

invertebrate and fish community to changing climate

and land management trajectories by linking an

ensemble of biological models to output from the

physical modeling portions of MREMS. Building on
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earlier work in which simple summer air temperature

offsets were added to regional habitat models (Steen

et al., 2010) we linked these and other models with

spatially explicit predictions of water temperature,

stream flow, and water quality driven by statistically

downscaled changes in precipitation and temperature.

Biological response models used in these simulations

include: multiple linear regression-based normalized

assessment models for fish and macroinvertebrate

communities (Wiley et al., 2002; Riseng et al., 2006)

forecast for individual river segments using Bayesian

probabilities from a CART (De’ath and Fabricius,

2000) analyses of a large sample of observed assess-

ment scores (n = 2000; Riseng et al., 2006), Classi-

fication and Regression Tree (CART) models of sport

fish habitat (Steen et al., 2006, 2010), dynamic

weighted usable area models (DWUA) of sport fish

habitat (e.g., Gouraud et al., 2001) and an agent-based

model of steelhead (Oncorhyncus mykiss) recruitment

dynamics (e.g., Tyler and Rutherford, 2007).

For the DWUA model and individual-based steel-

head modeling, we focused on the approximately

40 km section of the lower Muskegon River immedi-

ately downstream of Croton Dam, a key fishery

resource, and divided the section into cells for

hydrological analysis (depth, flow velocity) by a one-

dimensional channel routing model (HEC-RAS). A

GIS model of river substrate was paired to the HEC-

RAS grid of the river segments so that each cell of the

river model included water depth, water velocity, and

substrate characteristics that could be used to deter-

mine cell-by-cell habitat preferences for life stages of

selected sport fishes. For the DWUA model, fish life

stage habitat preferences were computed for each river

cell based on habitat suitability indices (HSI) (e.g.,

Raleigh et al., 1984), which use known information on

habitat preferences for a particular species-life stage

combination to predict the amount of suitable habitat

available in an aquatic environment for that life stage

(USFWS, 1980). Species preference values for habitat

variables range 0.0–1.0 for each variable. To compute

the WUA for a cell, we multiplied the preference value

(P) assigned for each environmental characteristic in

the cell times the area of the cell. In results reported

here integration with MREMS climate change sce-

nario outputs for these two models included mean

monthly temperature but not the hydrologic responses.

Fully integrated runs of the DWUA and the steelhead

IBM are currently underway.

Results

Both climate change and land management scenarios

altered modeled hydrologic, water quality, geomor-

phic, and biological conditions across the Muskegon

River watershed compared to current conditions.

Pairwise contrasts (alternate climate change scenar-

ios 9 alternate land management scenarios) suggest

that the impact of climate change on this river system

will not only be large, but also that response will vary

significantly depending upon future land use

trajectory.

Land use change scenarios under current climate

Projected changes in land cover had significant effects

on the distribution of predicted flows in the watershed

(Tables 2 and 3) and as a result over many other

ecologically important characteristics of the modeled

river ecosystem. Under the current climate regime, the

BAU scenario led to future reductions in agriculture

and forested land cover, reduced ET losses and

increased both rates of groundwater recharge and

storm runoff. As a result base flow, storm flow, and

median discharge all increased in the lower main stem

by 15–20% (Table 2) and across most of the rest of the

watershed as well (Table 3); flow variability across the

basin increased by 30%. Increases in the dominant

discharge exceeded 20% in the lower main stem and in

many other VSEC units suggesting wide spread

channel destabilization would occur. Consistent with

this, the loading model projected large increases in

sediment loads for almost all sites (26% and 57% for

mean and standard error, respectively). Increases in

urban cover and associated flows, appear to cause an

even larger increase in nutrient loads. Daily mean total

phosphorus (TP) loads increased on average by 53%

and daily total inorganic nitrogen (TIN) loads

increased by 31% (Table 3). Nutrient concentrations

(Table 4), however, appear to be somewhat buffered

by the increasing flows and on average increased by

only 32% and 12% for TP and TIN, respectively.

Water temperature changes were minimal, tending to

slightly lower driven by increases in groundwater flux

to the river, but this assumes constant a groundwater

temperature.

The RUS scenario also resulted in major losses of

agricultural land cover, but in contrast to the BAU

scenario it also had increases in forest cover
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(Table 2). Reductions in agricultural land cover again

led to increases in recharge and base flow, but these

were less than half the magnitude observed in the

BAU scenario. However, high flows changed little

and were even reduced relative to simulations based

on current land cover; resulting on average in a more

seasonally stable flow regime (Tables 2 and 3).

Despite this general increase in flow stability, future

dominant discharge still increased for many stream

segments because of increasing base flows; but,

increments in sediment load transported were about

half those estimated for the BAU scenario. TP loads

and concentrations changed little from current values,

and were much reduced relative to the BAU

forecasts. However, the projections based on the

RUS scenario show marginally larger TIN loads than

in the in BAU scenario (Table 4) reflecting more

agricultural land use in the basin.

Landuse change scenarios under the A1B climate

change scenario

Adding climate change to the Muskegon ecosystem

forecasts dramatically altered most modeling results.

Increasing air temperatures resulted in increased ET

estimates across the basin. However, increasing

precipitation, particularly during winter months led

to even larger increases in recharge rates; the overall

result being that water yields and flows in the river

generally increased (Tables 2 and 3). The hydrologic

impact was largest on the BAU land use scenario

(roughly doubling % change in median and lower

frequency water yields), but flow increases were also

observed in the RUS case. Under the RUS 9 Climate

Change scenario, average annual flows were essen-

tially equivalent to the BAU scenario flows under the

Current Climate scenario. For both land use scenar-

ios, dominant discharge increased with respect to

baseline, compared to land use change scenarios

alone. Consistent with that result, sediment concen-

trations generally declined slightly (-7.8 ± 5.8%),

but sediment loads and yields increased by about 50%

for the BAU scenario and doubled for the RUS

scenario. Nutrient concentrations changed little from

the current climate scenario runs, but nutrient loads

and yields increased for both TIN and TP. The

relative impact of the A1B climate was higher on

nutrients in the RUS scenario, with the change in

Table 2 Modeled flow statistics for the lower main stem Muskegon River (terminal VSEC unit) at its confluence with Muskegon

Lake

Climate scenario: Current Current IPCC A1B adjusted

Land use scenario: Current BAU RUS BAU RUS

Parameter: (cms) (cms) (%D) (cms) (%D) (cms) (%D) (cms) (%D)

Q05 105 124 18.1% 105 0.0% 128 21.9% 112 6.7%

Q10 88 101 14.8% 87 -1.1% 108 22.7% 95 8.0%

Q50 53 63 18.9% 58 9.4% 70 32.1% 65 22.6%

Q90 37 45 21.6% 41 10.8% 48 29.7% 46 24.3%

Qmin 23 26 13.0% 25 8.7% 29 26.1% 31 34.8%

Qmax 808 851 5.3% 793 -1.9% 957 18.4% 896 10.9%

DomQ 52 63 21.2% 60 15.4% 71 36.5% 61 17.3%

Basin land cover (%)

Urban 6 34 466% 23 283% 34 466% 34 283%

Agricultural 18 5 -72% 5 -72% 5 -72% 5 -72%

Forested 56 52 -7% 61 9% 52 -7% 52 9%

Water and wetlands 8 8 0% 9 12% 8 0% 8 12%

Other 12 1 -92% 2 -83% 1 -92% 1 -83%

Summaries are over the modeled 25 year period (nominally 1980–2005). Current climate scenario coupled with current land use

scenario provide baseline conditions. %D = percent change from baseline. Land use scenarios as described in the text and Fig. 1

(Current = 1998, BAU = end of century with business as usual land management; RUS = end of century with reduced urban sprawl

rate). Q05-Q90 are daily flow exceeded values for indicated percentiles. DomQ = estimated dominant discharge for the period
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median TP flux increasing from 3.5% to 15.4%, and

TIN from 28% to 52%. This contrasts with the BUA

scenario results that changed from 38% to 50%, and

from 62% to 75% for TP and TIN, respectively

(Table 3). Impacts of the climate change scenario on

water temperature were large and pervasive.

Although increased recharge drove somewhat higher

rates of groundwater accrual and baseflow in the river

(normally associated with lower temperature; Wiley

et al., 1997), groundwater temperatures at this

latitude strongly reflect annual average air tempera-

ture. The net effect was a 15–16% and 13–14%

increase in mid-summer (July) daily average and

daily maximum water temperatures, respectively.

Perhaps most importantly, these changes occurred

across the range of temperatures, 21–25�C, that

generally define habitat transitions for Michigan’s

cold, cool, and warm-water fish guilds (Wehrly et al.,

2003).

Modeled impacts of the climate change scenario

on biological parameters varied substantially

(Table 5). Community-based (fish and macroinverte-

brate) assessment metrics, which responded strongly

to land use scenarios, were relatively insensitive to

the climate scenario. Under the BAU scenario, the

invertebrate metric results suggested a slight

improvement basin-wide. Under the RUS scenario,

the reach impairment rate for invertebrates worsened

Table 3 Summary of modeled average daily load statistics for 138 VSEC channel units of the Muskegon River ecosystem

Climate scenario: Current Current IPCC A1B adjusted

Land use scenario: Current BAU RUS BAU RUS

Parameter: (%D) (%D) (%D) (%D)

Channel flow, ave. daily flow (cms/km2)

Median 0.0089 0.0108 21.3% 0.0098 10.1% 0.0116 30.3% 0.0108 21.3%

Mean 0.0094 0.0113 20.2% 0.0102 8.5% 0.0123 30.9% 0.0111 18.1%

SE 0.0002 0.0003 50.0% 0.0002 0.0% 0.0003 50.0% 0.0002 0.0%

Min 0.0006 0.0017 183.3% 0.0016 166.7% 0.0019 216.7% 0.0017 183.3%

Max 0.0519 0.0586 12.9% 0.0496 -4.4% 0.0600 21.4% 0.0530 2.1%

Total phosphorus flux, ave. daily load (kg/km2)

Median 26 36 38.5% 27 3.8% 39 50.0% 30 15.4%

Mean 30 46 53.3% 32 6.7% 50 66.7% 35 16.7%

SE 2 1 -50.0% 1 -50.0% 2 0.0% 1 -50.0%

Min 1 4 300.0% 3 200.0% 4 300.0% 4 300.0%

Max 457 197 -56.9% 152 -66.7% 214 -53.2% 164 -64.1%

Total inorg. nitrogen flux, ave. daily load (kg/km2)

Median 350 568 62.3% 447 27.7% 613 75.1% 532 52.0%

Mean 409 534 30.6% 491 20.0% 575 40.6% 529 29.3%

SE 14 11 -21.4% 11 -21.4% 12 -14.3% 12 -14.3%

Min 17 86 405.9% 77 352.9% 93 447.1% 84 394.1%

Max 2762 2175 -21.3% 1901 -31.2% 2324 -15.9% 2024 -26.7%

Total sediment flux, ave. daily load [kg/km2]

Median 72 88 22.2% 81 12.5% 98 36.1% 86 19.4%

Mean 183 230 25.7% 200 9.3% 251 37.2% 219 19.7%

SE 23 36 56.5% 30 30.4% 40 73.9% 33 43.5%

Min 4 5 25.0% 4 0.0% 5 25.0% 5 25.0%

Max 4974 8060 62.0% 6030 21.2% 9064 82.2% 6864 38.0%

Current climate scenario coupled with current land use scenario provide baseline conditions. %D = percent change from baseline.

Summaries are over a modeled 25 year period (nominally 1980–2005), land use scenarios as described in the text and Fig. 1

(Current = 1998, BAU = end of century with business as usual land management; RUS = end of century with reduced urban sprawl

rate)
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slightly. The fish community metric likewise indi-

cated a small worsening of basin conditions for both

land use scenarios (increasing by only about 4% in

both cases). Impacts on individual fish taxa, however,

were substantial and variable (Table 5, Fig. 3). Brook

trout (Salvelnis fontinalis) were most negatively

affected losing [60% of their currently available

channel habitat. Resident (nonanadromous ‘‘steel-

head’’) rainbow trout (Orchorynchus mikus) lost

more than 30% of their habitat and brown tout

(Salmo trutta) more than 15%. Lower river habitat

supporting Lake Michigan and Muskegon-run salmo-

nines were substantially impacted, although individ-

ually the extent varied depending largely on life cycle

timing. Coho salmon were most negatively affected

(climate-related reductions were [70%). Chinook

salmon (Onchorynchus tshawytscha) and steelhead

were relatively less sensitive but still were forecast to

experience greater than 50% reductions in habitat

availability. The species most sensitive to this climate

change scenario was the northern pike (Esox lucius)

which the CART models projected would experience

close to a doubling of habitat in the Muskegon river.

Smallmouth bass (Micropterus dolomeiui) also were

predicted to benefit substantially (?24%). Walleye

pike (Sander vitreus), an important sport fish in the

larger lakes and lower main stem, were relatively

insensitive to the climate change scenario. In almost

Table 4 Summary of modeled water quality statistics (mean annual concentration values) for 138 VSEC channel units in the

Muskegon River ecosystem

Climate scenario: Current Current IPCC A1B adjusted

Land use scenario: Current BAU RUS BAU RUS

Parameter: (%D) (%D) (%D) (%D)

July water temp (�C)

Mean 22.6 22.2 -1.8% 22.1 -2.2% 26.2 15.9% 26.1 15.5%

Max 25.7 25 -2.7% 24.9 -3.1% 29.2 13.6% 29 12.8%

SE 0.193 0.190 -1.6% 0.186 -3.6% 0.200 3.6% 0.193 0.0%

Total phosphorus ave. daily concentration (ppm)

Median 0.025 0.036 44.0% 0.027 8.0% 0.034 36.0% 0.027 8.0%

Mean 0.028 0.037 32.1% 0.029 3.6% 0.037 32.1% 0.029 3.6%

SE 0.000574 0.000829 44.4% 0.000639 11.3% 0.000828 44.3% 0.000645 12.4%

Min 0.002 0.005 150.0% 0.001 50.0% 0.005 150.0% 0.004 100.0%

Max 0.083 0.094 13.3% 0.063 24.1% 0.094 13.3% 0.062 -25.3%

Total inorg. nitrogen ave. daily concentration (ppm)

Median 0.396 0.454 14.6% 0.457 15.4% 0.43 8.6% 0.443 11.9%

Mean 0.401 0.448 11.7% 0.463 15.5% 0.438 9.2% 0.454 13.2%

SE 0.007489 0.003295 -56.0% 0.000761 89.8% 0.00268 -64.2% 0.005071 -32.3%

Min 0.09 0.195 116.7% 0.17 88.9% 0.192 113.3% 0.163 81.1%

Max 1.174 0.651 -44.5% 0.879 25.1% 0.633 -46.1% 0.863 -26.5%

Total sediment ave. daily concentration (ppm)

Median 96 95 -1.0% 95 -1.0% 96 0.0% 95 -1.0%

Mean 218 202 -7.3% 201 -7.8% 203 -6.9% 201 -7.8%

SE 34 34 0.0% 33 -2.9% 34 0.0% 33 -2.9%

Min 8 8 0.0% 8 0.0% 8 0.0% 8 0.0%

Max 9029 8957 -0.8% 8763 -2.9% 8933 -1.1% 8747 -3.1%

Current climate scenario coupled with current land use scenario provide baseline conditions. %D = percent change from baseline.

Summaries are over a modeled 25 year period (nominally 1980–2005). Land use scenarios as described in the text and Fig. 1

(Current = 1998, BAU = end of century with business as usual land management; RUS = end of century with reduced urban sprawl

rate)
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all cases, biological responses to the climate change

scenario were less severe under the RUS than the

BAU land management scenario which was associ-

ated with more severely reduced forest and agricul-

ture. The BUA land use provided some thermal

buffering due to increases in groundwater flows. This

effect was, however, quite modest (preserving 6–

9 km of otherwise lost main stem habitat).

Results of the dynamic weighted useable area

modeling (DWUA) in the lower mainstem river were

similar to the CART modeling results but did show

some striking differences between juvenile and adult

habitat. Useable habitat for juvenile and adults life

stages of smallmouth bass, walleye, Chinook salmon

and steelhead declined from 10% to 34% under the

BAU scenario, and slightly less (0–33%) under the

RUS (Table 6). In contrast, under the climate change

scenarios habitat for warmwater and coolwater fishes

was dramatically increased (?124 to 252% for

smallmouth bass; 41–427% for walleye) and

decreased for adult stages of coldwater species

(Chinook salmon, steelhead) and juvenile steelhead.

Useable habitat for juvenile Chinook salmon was

predicted to increase under climate change due to an

increase in spring temperatures (Table 6).

Discussion

MREMS scenario simulations indicated that climate

change impacts on the Muskegon river ecosystem

Table 5 Summary of GLGAP-SFM modeled sport fish habitat responses (km of useable habitat) in the entire Muskegon River basin

Climate scenario: Current Current IPCC A1B adjusted Average

climate

sensitivityLand use scenario: Current BAU RUS BAU RUS

Taxa (km) (km) (%D) (km) (%D) (km) (%D) (km) (%D) (%D)

Smallmouth 501 515 3% 497 -1% 627 25% 622 24% 24

Brook_trout 1030 984 -4% 1038 1% 348 -66% 410 -60% -61

Brown_trout 1516 1586 5% 1549 2% 1263 -17% 1277 -16% -20

Rainbow_trout 1656 1612 -3% 1630 -2% 1067 -36% 1080 -35% -33

Steelhead 315 438 39% 438 39% 270 -14% 261 -17% -55

Chinook 112 223 99% 228 103% 165 47% 171 52% -51

Coho 120 143 19% 141 18% 55 -54% 53 -55% -74

Walleye 216 167 -23% 218 1% 179 -17% 201 -7% -1

GLwalleye 55 35 -36% 64 18% 41 -24% 51 -6% -6

Northern_pike 548 578 5% 551 1% 1026 87% 995 81% 27

(proportion) (proportion) (proportion) (proportion) (proportion)

Adfl.salmonines 0.064 0.094 47% 0.094 48% 0.057 -10% 0.057 -0.11 -58

All coldwater 0.278 0.292 5% 0.294 6% 0.185 -33% 0.190 -0.32 -38

All warmwater 0.116 0.114 -2% 0.117 1% 0.164 42% 0.164 0.416 42

All trouts* 0.491 0.489 0% 0.493 0% 0.313 -36% 0.324 -0.34 -35

All walleye 0.106 0.035 -67% 0.049 -53% 0.039 -63% 0.044 -0.58 -1

Fish comm’ty impaired 0.185 0.416 125% 0.324 75% 0.423 129% 0.330 0.784 4

inv. comm’ty impaired 0.111 0.293 163% 0.189 70% 0.291 161% 0.196 0.758 2

Current climate scenario coupled with current land use scenario provides baseline conditions. %D = percent change from baseline.

Summaries are over a modeled 25-year period (nominally 1980–2005), Land use scenarios as described in the text and Fig. 1

(Current = 1998, BAU = end of century with business as usual land management; RUS = end of century with reduced urban sprawl

rate). Smallmouth bass = Micropterus dolomieui; brook trout = Salvelinus fontinalus; brown trout = Salmo trutta; rainbow

trout = stream-resident Oncorhynchus mykiss; steelhead = adfluvial O.mykiss; Chinook = O. tshawytscha; coho = Oncorynchus
kisutch; walleye = all Sander vitreus; GLwalleye = Lake Michigan/Muskegon Lake resident Sander vitreus; northern pike = Esox
lucious; adfluv. Salmonines = all spp of Oncorhynchus spp.
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will likely be pervasive, but also variable depending

upon future land use trajectories. Significant reduc-

tions in negative impacts on hydrology, water quality,

and biological communities were associated with the

highly forested future landscape produced in the RUS

management scenario. This result suggests that

traditional watershed management tools like land

use planning could play an important role in devel-

oping climate adaptation strategies of the kind being

promoted by IPCC and national governments (NRC,

2007; IPCC, 2007). However, even with the clearly

preferable outcomes associated with the RUS sce-

nario, the scale of ecological change projected was

dramatic. Under the best-case RUS scenario, 57% of

the Muskegon channel system would be destabilized

by the end of this century; the BAU scenario

modeling estimate was 76%. The same increase in

river flows that lead to large-scale destabilization also

drove 20–30% increases in sediment and nutrient

loading (40–60% for the BAU scenario). The mag-

nitude of these responses reflects the potency of

climate impacts on river hydrology. Discharge rate is

the principal organizing variable in fluvial systems

(Schumm, 1977; Knighton, 1984); in rivers, ecolog-

ical responses to future climate change will be

necessarily linked to hydrologic response, and to

the local details of basin geography, land use, and

surficial geology that control hydrologic routing.

The Muskegon River, and most of the upper Great

Lakes Basin, lies just south of the snow fall

dominated northern latitudinal zone (50–80 N) where

most GCMs predict increasing rainfall and net gains

in annual river runoff (Palmer et al., 2008; Arnell,

2005; Nohara et al., 2006). The Great Lakes them-

selves complicate climate forecasting in this region

and local anomalies associated with lake-effect

dynamics are poorly represented in currently avail-

able GCMs (Lofgren et al., 2002; Croley, 2005).

What is already clear is that the Muskegon basin has

historically been strongly influenced by lake-effect

precipitation (Kendall & Hyndman, in review), and

that long-term gauging records for the region indicate

increasing trends in rainfall and river discharge since

the turn of the last century (Arnet, 2005; Dore, 2005).

Relatively high annual rates of precipitation (up to

93 cm) on a landscape dominated by highly perme-

able glacial drift supports efficient recharge dynamics

(Holtschlag, 1994; Boutt et al., 2001; Hyndman et al.,

2007), high base flows and a characteristically cold

and cool-water ecology for which the rivers of the

northern lower Michigan Peninsula are well known

(Wiley et al., 1997; Seelbach et al., 2006).

Fig. 3 The IPCC A1B-modified scenario raised groundwater

and temperatures in our models by several degrees shifting

water temperatures in many channel segments across critical

thermal thresholds for coldwater species. The example here is

for channel unit VSEC 18, a critical spawning reach for

adfluvial steelhead trout below a major hydropower dam in the

lower part of the Muskegon main stem. With late summer

temperatures currently too high for brook and marginal for

steelhead trout due to reservoir warming, climate change

scenarios pushed summer temperatures above levels tolerated

by either species and removed much of the lower mainstem as

useable summer habitat

Fig. 4 Basin-wide changes in habitat availability (kms of

channel) for key sport fishes based on the BAU and

RUS 9 IPCC A1B adjusted climate scenarios
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In this largely groundwater driven river, our

hydrologic models predicted both increasing ground-

water and increasing runoff deliveries to the channel

system under the IPCC A1B scenario. Other model-

ing studies for the region have variably reported

annual mean flow increases (Lofgren, 2004, Palmer

et al., 2008), decreases (Croley, 2005), or both

depending on specifics of the climate change mod-

eling (Lofgren et al., 2002). Uncertainties associated

with variously designed GCMs, parameterizations

particularly in the GL region remain large at the

present time (Kling, et al., 2003; Palmer et al., 2008;

Lofgren, 2006). Our purpose in this analysis was not

to explore implications of that climate uncertainty but

instead to examine in more local detail the implica-

tions of a typical climate change scenario on the local

river ecosystem characteristics. The hydrologic

responses we observed from our models (* 20–

30% increases) were roughly consistent with the

regionally comparable analyses of Palmer et al.,

(2008) and Lofgren (2004) who estimated river flow

increases in this region of up to 0-40%, and 15%,

respectively. What our analysis adds is the clear

implication that (1) land use patterns can modulate

hydrologic and related loading responses to climate

change, and (2) that, as a result, the ecological

consequences of climate change in river systems will

be inextricably linked to ongoing decisions about the

management of landscapes and fisheries, as well as

dams (Palmer et al., 2008) and consumptive water use

(Croley & Luukkonen, 2003).

Sources of variation and uncertainty

Forecasting ecosystem responses to future change is

necessarily risky business. Uncertainty about the

magnitude and even direction of modeled system

response to land use or climate change could arise

from errors in model representation (specification

error, parameterization error, or computational error)

and from patterns in propagation of those errors

including their statistical inflation through the series

of sequential estimations inherent in a multi-model-

ing system. Furthermore, there is substantial ‘‘real’’

spatial and temporal variability in the dynamic

responses of river systems which reflects underlying

geographic differences in geology, land cover, drain-

age history, antecedent moisture conditions, etc.;

these too add substantial uncertainty to any overall

Table 6 Summary of dynamic weighted usable area habitat model (DWUA) and individual-based model (IBM) of sportfish in the

lower Muskegon River, below Croton Dam

Climate scenario: Current Current IPCC A1B adjusted

Land use scenario: Current BAU RUS BAU RUS

Taxa/life stage: (ha) (ha) (%D) (ha) (%D) (ha) (%D) (ha) (%D)

Juvenile WUA

Smallmouth 4.10 3.55 -14% 3.88 -5% 7.96 94% 8.88 116%

Chinook 1.44 0.95 -34% 0.97 -33% 1.34 -07% 1.43 -01%

Steelhead 6.97 7.69 10% 6.93 -1% 3.80 -45% 3.27 -53%

Adult WUA

Smallmouth 1.09 0.89 -18% 1.00 -9% 3.14 188% 3.62 232%

Chinook 4.74 5.36 13% 4.35 -8% 1.35 -72% 1.16 -76%

Steelhead 51.93 48.95 -6% 52.07 0% 45.70 -12% 44.4 -15%

Walleye 0.33 0.28 -17% 0.27 -18% 1.31 336% 1.44 336%

Current climate scenario coupled with current land use scenario provides baseline conditions. %D = percent change from baseline.

Summaries are over a modeled 25-year period (nominally 1980–2005). Land use scenarios as described in the text and Fig. 1

(Current = 1998, BAU = end of century with business as usual land management; RUS = end of century with reduced urban sprawl

rate). Smallmouth bass = Micropterus dolomieui; steelhead Oncorhynchus mykiss; Chinook salmon = O. tshawytscha;

walleye = Lake Michigan/Muskegon Lake resident Sander vitreus. The steelhead IBM outputs are in number (No.) and mean

length (mm TL) of age-0 individuals surviving to Oct 31 in a model year
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interpretation of system response. We have not to

date carried out any formal study of error propagation

characteristics in the MREMS system. Validation

studies comparing predicted and observed values

from the 2002–2004 field seasons generally (as in

Fig. 2) indicate the system does an adequate job

(correlations typically [ 0.9 for physical parameters,

[0.6 for biological parameters) representing spatial

variability over the watershed. A detailed comparison

of MREMS hydrologic variants with a Muskegon

River implementation NOAA’s DLBRM (Kao et al.

unpublished; for model description see Croley, 2005)

showed that the MREM’ ‘‘mixed’’ model variants

more accurately captured long-term average flows

and basin water-balance characteristics, but were

more prone to peak flow timing errors than the

NOAA model which was heavily calibrated to the

downstream-most gauge. Peak arrival delays in

the lower river of 1–2 days are not uncommon in

our hydrology models; particularly during winter

months when the different snow-melt modules in our

simulation variants greatly affect flow timing. We

know also that all of the Muskegon River hydrologic

models have periodic large errors at the downstream-

most sites associated with Lake Michigan seiche

activity, and with flooding due to high flow con-

straints imposed by bridges and channel engineering.

These result in occasional large but temporary

backwater effects near the mouth that reduce river

discharge rates and increase local wetland storage.

Inclusion of a hydrodynamic model at the estuary

mouth will be required to correct this problem.

The ensemble of hydrologic model variants does

provide some sense of the forecast variability in

MREMS although we are still in the process of

completing more detailed analyses. Ensemble mean

and variance plots for the lower river (Fig. 5) suggest

that overall the hydrologic models are in good

agreement that the impact of climate on flow will

be consistently larger than that of land use. Inter-

ensemble variation in predicted magnitude of the land

use response reflects the fact that the ‘‘mixed’’ variant

models (including the m 9 4 variant used throughout

this paper) were consistently more responsive to land

use change than the variants with ILHM generated

runoff (Fig. 2b in contrast to Fig. 2c). There was also

a large spatial variability (see Table 3) across the

watershed in the direction and magnitude of response,

so site-specific behavior can deviate substantially

from downstream integrated response, and from

system average response.

So far in our analysis it appears that variability in

flow estimates due to (hydrologic) model choice is

much smaller than spatial variability across the

watershed; coefficients of variation between models

ranging from 4% to 9% (across scenarios) compared

to 227–288% between sites. When comparing uncer-

tainty in estimates due to hydrologic model choice

further down the computational chain of the multi-

model (e.g., TP load in Fig. 5) coefficients of

variation change little; ranging from 4% to 11%

and showing no evidence of problematic error

propagation. As this multi-modeling system matures,

we hope to add ensemble modeling capability to

more levels of the multi-modeling system. We

currently do have multiple model representations

for certain sport fishes in the biological ensemble but

have not yet tried to analyze their coherence or

variability. In the case of these biological models,

differences in life history representation and habitat

scale substantially complicate comparisons.
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Forecast uncertainty related to hydrologic model choice

Fig. 5 Hydrologic ensemble variation in anomaly forecasts

for river reach VSEC 18. Results from four hydrologic

simulation variants (see ‘‘Methods’’ section) were pooled to

estimate mean (±)1 standard deviation responses for MREMS

forecasts of average daily discharge (open symbols) and

average total phosphorus concentration (closed symbols).

Range in response represented as minimum and maximum

values. The large circle symbols represent the forecast from our

‘‘m94’’ variant (see Fig. 2c) which had the best overall

performance in hydrologic validation tests and was used to

estimate ecological responses reported in Tables 2–6
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Climate change and biological assessment

Linking hydrologic and loading model output to

CART and MLR-based biological models led to

forecasts of significant changes for a number of

regionally important fish species. The Muskegon

River is the single largest natural source of Chinook

salmon reproduction in Lake Michigan and supports a

regionally well known and economically valuable

multi-species riverine sport fishery (O’Neal, 1997). In

our simulations, cold water fishes in general were

particularly sensitive to the climate change scenario

and adfluvial salmonines most notably so. These

model responses were driven principally by changes

in summer water temperature (Fig. 2) which in this

river system are controlled by largely by groundwater

temperatures. Fish community composition is partic-

ularly sensitive to temperature changes in the 18–

23�C range (July mean temperature; Wehrly et al.,

2003) with a critical upper thresholds for many cold

water species laying between 22 and 24�C (Eaton &

Scheller, 1996), While the climate change scenario

produced an average 3�C rise in annual air temper-

ature and an average 4�C rise in mean July water

temperature, these changes occurred across an

extremely sensitive physiological range for local

fishes (Fig. 2). The result was that modeled habitat

availability dramatically and disproportionately

declined for some important species, and expanded

for others (Fig. 3, Tables 5 and 6). It is interesting to

note, however, the independently derived assessment

models for both invertebrate and fish communities

were much more conservative in response to climate

change than to land use change. Their pattern of

sensitivity was almost the reverse of the observed in

the individual fish models. Taken together, these

results could be interpreted as implying that species

distributions and community composition may be

dramatically altered, but the underlying biological

integrity of the community (sensu Karr, 1991) may be

relatively unchanged (Fig. 4).

Indeed, in our forecasts the biological assessment

metrics were impacted much more severely by land

use scenarios than by the climate change. This

response is in general consistent with the water

quality modeling results which forecast relatively

stable and decreasing concentrations of TP and

sediment (respectively) under the climate change

forecasts, but large increases in concentrations of

both with land use change. This occurred despite

significant increases in total load transport under the

climate change scenario, which in the modeling was

offset by dilution from higher flows. The assessment

models we used were based on regionally normalized

assessments of community composition data which

estimate reference condition statistically (Wiley

et al., 2002; Riseng et al., 2006). It is possible that

the underlying empirical models were insufficiently

sensitive to proximate physical variables forecast by

MREMS and overly influenced by basin land use

metrics. The fish assessment model did, however,

explicitly evaluate base flow yield changes. The

invertebrate model evaluated both changes in base

flow yields and in summer water temperature.

Furthermore, same kind of statistical over-fitting

concern could also apply to the CART habitat

models’ relatively high sensitivity to the climate

change scenario. But in this case, completed runs of

the more mechanistic simulation models (DWUA and

IBM recruitment modeling) to date agree with and

confirm their predictions.

Whether or not wholesale shifts in species distri-

butions related to global warming should be inter-

preted as indicating ecological impairment, is in

itself, an interesting question (cf. Parmesan, 2006).

We should hope that assessment metrics designed to

reflect proximal insults on ecological integrity might

indeed be relatively insensitive to regional shifts in

climate. Ecological assessments are traditionally

referenced in terms of either historical condition or

by minimally disturbed regional baseline conditions.

In either case, wholesale change in climate which

affects underlying basin hydrology and temperature

regimes are likely to disrupt current empirical

relationships between community composition and

traditional watershed stressors associated with land

use, pollution, and local hydraulic modification. Even

if baseline conditions themselves are changing, we

will still need assessment protocols and metrics to

manage and protect river ecosystems. If our current

assessment methodologies are not in fact relatively

neutral to direct climate impacts then we risk a

growing probability that river assessment studies will

be swamped by the effects changing climate. If so,

then they will become relatively useless for evaluat-

ing the effects of the more common (and less

‘‘global’’) ecological insults that originate in the

watershed.
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Land use as an adaptation strategy

Comparisons of our modeling results from land use

management scenarios with and without the climate

change scenario clearly illustrate the extent to which

the impacts of climate on rivers can be modified and

filtered by landscape condition. Reductions in flow,

sediment loading, nutrient loading, and even biolog-

ical impacts were achieved in the RUS scenario

relative to the BAU scenario, with the difference

between the two often magnified under the climate

change scenario. This occurred because land cover

related differences in hydrologic routing and ET

losses modified the consequences of changing climate

signals. At a time when many are concerned over the

lack of institutional preparation for the ecological

impacts of climate change, linking climate change

preparation to land use change may be a way to

engage more traditional watershed managers and

institutions. Land use planning is already a central,

widely accepted, and in many areas institutionalized

feature of both academic and practical watershed

management. Linking land use management with

climate change may provide both a new rationale and

a new opportunity to take action on what we already

know is often an effective river management strategy.
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Abstract There is both a fundamental and applied

need to define expectations of changes in aquatic

ecosystems due to global changes. It is clear that

programs using biological indicators and reference-

based comparisons as the foundation for assessments

are likely to make increasingly erroneous decisions if

the impacts of global change are ignored. Global

changes influence all aspects of water resource

management decisions based on comparisons to

reference conditions with impacts making it increas-

ingly problematic to find an ‘‘undisturbed’’ water

body to define acceptable conditions of ecological

integrity. Using a more objective scale for charac-

terizing reference conditions that is anchored in

expectations for what would be attainable under

undisturbed conditions, such as the Biological

Condition Gradient (BCG) is one approach that

maintains consistent definitions for ecosystem condi-

tions. In addition, protection of reference stations and

of unique or undisturbed aquatic resources is imper-

ative, though the scope of protection options is

limited. Projections indicate that encroaching land

use will affect 36–48% of current reference surface

waters by the year 2100. The interpretation of

biological indicators is also at risk from global

changes. Distinguishing taxonomic attributes based

on temperature or hydrologic preferences can be used

to enhance the ability to make inferences about global

change effects compared to other stressors. Difficul-

ties arise in categorizing unique indicators of global

changes, because of similarities in some of the

temperature and hydrologic effects resulting from

climate change, land use changes, and water removal.

In the quest for biological indicators that might be

uniquely sensitive to one global stressor as an aid in

recognizing probable causes of ecosystem damage,

the potential similarities in indicator responses

among global and landscape-scale changes needs to

be recognized as a limiting factor. Many aspects of

global changes are not tractable at the local to

regional scales at which water quality regulations are

typically managed. Our ability to implement water

policies through bioassessment will require a shift in

the scale of assessment, planning, and adaptations

in order to fulfill our ultimate regulatory goals of

preserving good water quality and ecological
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integrity. Providing clear expectations of effects due

to global change for key species and communities in

freshwater ecosystems will help water quality pro-

grams achieve their goals under changing environ-

mental conditions.

Keywords Global change � Climate change �
Water law � Environmental policy �
Bioassessment

The underpinnings of environmental protection

of aquatic resources

The expression of water laws and environmental

policies is to protect the health of aquatic ecosystems.

The maintenance of natural ecological processes and

ecosystem function is paramount to addressing this

goal. This is reflected in the U.S. Clean Water Act

(CWA; USGPO, 1972a, b) long-term goal of main-

taining and restoring the ecological integrity of

aquatic systems, defined as comprising physical,

chemical and biological integrity (CWA). Similarly,

the goal of the European Union Water Framework

Directive (WFD), Directive, 2000), is to achieve

‘‘good status’’ of aquatic systems, including both

‘‘good ecological status’’ and ‘‘good chemical status’’

(see Noges et al., 2009).

In principle, assessment of status is based on a

combination of biological, physical, and chemical

indicators; however, there is recognition that biolog-

ical indicators are an integrating response to all

environmental conditions (Barbour et al., 2000;

Moog & Chovanec, 2000). Based on this, in the

U.S., biological assessment plays a central role in

numerous water quality programs that are compo-

nents of the CWA. Bioassessment data is used to

assess water quality, identify biologically impaired

waters, and develop National Water Quality Inven-

tory reports. It is used to develop biocriteria and set

aquatic life use categories, which represent different

protection standards. Bioassessment data are used to

determine whether conditions of the waterbody

support designated uses, and if not, to develop total

maximum daily load (TMDL) limitations for the

pollutant(s) contributing to the impairment. Bioas-

sessment results are used to help identify causes of

observed impairments, based on the assumption that

various components of aquatic communities will

respond differently to different types of stressors.

Bioassessment is used to determine the impacts of

point-source discharges as well as of episodic spills,

defining the extent of damage, responses to remedi-

ations, and supporting enforcement actions. Other

CWA programs that depend on bioassessment data

include permit evaluation and issuance, tracking

responses to restoration actions, and other compo-

nents of watershed management. In Europe, the WFD

emphasizes biological assessment methods supported

by the evaluation of hydromorphological and chem-

ical parameters, definition of strategies against pol-

lution (combined approach for point and diffuse

sources), and establishment of river basin manage-

ment plans (Chovanec et al., 2000).

Assessing the ecological health of rivers and

streams is a fundamental and increasingly important

water management issue worldwide (Bunn & Davies,

2000; Norris & Barbour, 2009) and relates directly to

the preservation of ecosystem services of aquatic

resources. The concept of ecosystem services

embraces those processes by which the environment

produces resources that we often take for granted,

such as clean water, and other services, such as

mitigation of drought and floods, the cycling and

transport of nutrients, the maintenance of biodiver-

sity, and detoxification and decomposition of waste

(Daily, 1997; Postel & Carpenter, 1997). Efforts such

as the UN Millennium Ecosystem Assessment (MEA,

2005) are raising public awareness that high quality

aquatic resources provide society with ecological

benefits and should be valued.

On a global scale, different countries are at

varying levels of success in the endeavor of protec-

tion and restoration of their water resources (Jung-

wirth et al., 2000). Those that have had programs in

place for many years have accomplished much in

determining the status of their resources and what

must be done to restore degrading waters (Barbour

and Paul, 2010). However, few have considered how

to effectively account for large scale, global changes,

such as progressive climate change, increasing

encroachment of developed and agricultural land

uses, and increasing human demands for freshwater,

all with ramifications to aquatic resources.

Water laws have historically focused more on

point-source impacts than on landscape or larger

scales of pollution or habitat degradation. During the

twentieth century, the focus of environmental
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problems has changed from local or regional issues

like sewage discharge in the first decennia toward

global issues like climate change today (Verdonschot,

2000). This means that now, water resource manage-

ment requires consideration of stressors that operate

at very different scales, such as climate change,

which operates on a global scale. It will alter air and

water temperatures; alter flow and other hydrological

parameters; reduce ice and snow cover; alter the

timing of snowmelt; alter stratification regimes in

lakes; increase sea levels; and increase salinity in

some coastal areas (IPCC, 2007). Global changes

in land use and water abstraction are landscape-scale

stressors that are directly related to human population

increases.

An increase in the spatial scale of stressors implies

a need to increase the spatial and temporal scales of

management and assessment (Verdonschot, 2000).

This change in scale complicates the already complex

management and restoration of impaired water

resources. While ecosystem management will be

most effective when all stressors impacting a resource

are considered, certain aspects of global change

impacts are not tractable for control at a local,

watershed, or state agency scale.

The environmental research community is

engaged in understanding the effects of global

changes at a variety of spatial scales. Much of the

research in the US on global change and its effects on

aquatic ecosystems are being supported by federal

agencies, such as the National Science Foundation

(NSF), US Environmental Protection Agency (USEP-

A) and the National Oceanic and Atmospheric

Administration (NOAA). The European Union (EU)

supports a series of research projects being conducted

by several institutions throughout Europe. The Aus-

tralian government, through the Department of Cli-

mate Change the Australian Greenhouse Office, and

the Australian Climate Change Science Program, also

supports substantial research on climate change

effects and adaptations. As the effects of global

changes become more evident and attention is drawn

to this complicating factor in maintaining good

ecological status, scientists and environmental man-

agers should work together to ensure that the goals of

environmental protection are met. Research partner-

ships and information sharing may lead to more

effective resource management and decision-making

tools that account for global change effects.

Global changes and ecosystem health

The concept of ecological health can be vague, but is

generally borrowed from the human health/medical

paradigm, such that a ‘‘healthy’’ ecosystem, i.e., one

with ‘‘integrity’’, is conceptually one that is func-

tioning within ‘‘normal’’ ranges. We assume this is

true for pristine systems, but emphasize the question

of whether an acceptable level of ecological integrity

exists in systems with some degradation, often

termed ‘‘minimally disturbed’’ or ‘‘leased disturbed’’

(Bailey et al., 2004; Stoddard et al., 2006). Condi-

tions observed in ‘‘minimally’’ or ‘‘least’’ disturbed

streams or rivers often become the basis for defining

restoration or remediation goals, or for determining

impairment, in similar systems that are impacted by

human uses and development.

The effects of land use alterations on river

ecosystem condition have been reasonably well

studied (see for instance Helms et al., 2009; Allan

2004, Paul and Meyer 2001). However, taking a

global view of the future impacts of progressive land

use changes on ecosystem integrity is a more recent

concern. There have been many studies of a variety

of water use and hydrological alteration impacts on

stream ecological condition, including flow regula-

tion (e.g., Nilsson et al., 2005), increasing human

uses (e.g., Bunn & Arthington, 2002), and hydro-

logic alteration in general (e.g., Konrad et al., 2008;

Richter et al., 2003). Now there is recognition that

global changes in climate combined with a growing

world population and changes in global patterns of

land use, socio-economics, and technical changes in

water resource utilization and management will

combine to increase water stress (i.e., decrease

water availability and increase demand, Bates

et al., 2008). Increased water stress will be partic-

ularly notable in regions where river runoff is

projected to decrease in the future, as well as in

regions where water resources are dependent on

snow pack (e.g., the western U.S., the Mediterranean

Basin (including southern Europe, Northern Africa,

and southwestern Asia), southeastern Australia,

southern Africa, and the west coast of South

America) (Bates et al., 2008). Progressive increases

in regional water stress will put increasing demands

on freshwater in likely competition with ecological

uses. This will bring conflicts in water use to a head,

and put greater pressure on management to consider
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all sources of impacts to water resources (Brekke

et al., 2009).

Increasing attention has been given to whether

ecosystem responses to climate change are sufficient

to cause concern and whether that concern should

extend to our ability to preserve and restore ecolog-

ical integrity. Freshwater ecosystems are considered

sensitive to climate change impacts, owing to their

fundamental dependence on hydrology and thermal

regimes, their dominance by poikilotherms, and the

risks of interactions with other stressors (Durance &

Ormerod, 2007). However, documentation of aquatic

biological responses to climate change on a basis

that is meaningful to water quality and resource

managers has been slow in coming, with much early

attention focused on terrestrial ecosystems (e.g.,

Root et al., 2003; Thuiller, 2004; Walther et al.,

2002, 2005; Parmesan, 2006; Tobin et al., 2008;

Zuckerberg et al., 2009). Climate change effects in

aquatic systems will manifest at all ecological levels

(Fig. 1). Examples of shifts in aquatic community

structure that are relevant in a bioassessment

framework, documented in 10 relevant references,

are presented in Table 1. Many of these effects will

be species and region specific; therefore, there is

substantial variation in aquatic biological responses

that may impact the evaluation of ecological status.

There will be potentially major consequences both

for ecosystem function and for the interpretation of

biomonitoring results relative to assessment of

ecosystem health.

There are some similar and confounding effects

among global changes that have ramifications to the

implementation of water policy. For example, stream

temperatures can be increased by climate change, and

also by land uses (e.g., urbanization, deforestation)

(Table 2). Base flows can be reduced by climate

change, and also by water abstraction. Though the

scale of these effects can be different, their similar-

ities can make it difficult to separate climate change

impacts from those of other landscape-scale stressors

within management-relevant time frames. Climate

change effects are also compounded by other large-

scale climate drivers such as the North Atlantic

Fig. 1 Illustration of climate change effects on aquatic ecosystems and the subsequent individual-, population- and community-level

responses to these changes. Effective indicators are those that respond to the consequences of climate change
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Oscillation (NAO) (Bradley & Ormerod, 2001). The

presence of development and water abstraction or

diversion infrastructure can be documented indepen-

dently, e.g., by quantification of watershed land cover

or water withdrawal data, which can help define

contributing factors in a weight of evidence frame-

work. However, climate change effects are pervasive,

and if other global change influences are present,

quantitative partitioning of biological responses

among these factors will be problematic in many

circumstances. In the quest for biological indicators

that might be uniquely sensitive to one global stressor

as an aid in recognizing probable causes of ecosystem

damage, the potential similarities in indicator

responses among global and landscape-scale changes

should be recognized as a limiting factor.

Susceptible aspects of assessment programs

to global changes

In the framework of water laws and environmental

policy aimed at protecting and restoring the condition

of aquatic ecosystems, bioassessments result in

Table 1 Documented examples of shifts in aquatic community structure due to climate changes

Examples of aquatic community changes Reference

Increases in abundance, species richness, and proportion of southern and of warm-water

species of fish in large rivers

Daufresne & Boet (2007)

Loss of cold-water fishes from headwater streams, but also extension of more tolerant,

thermophilic fishes from larger streams and rivers into newly suitable habitat

Buisson et al. (2008)

Increases in fish species richness with increasing temperatures at higher latitudes Hiddink & ter Hofstede (2008)

Displacement of upstream, cold-water invertebrate taxa with downsteam, warm-water taxa Daufresne et al. (2004)

An increase in lentic and thermophilic invertebrates with increasing temperature Doledec et al. (1996)

Reductions of spring abundance of dominant taxa, shifts in invertebrate assemblage

composition from cooler to warmer water taxa, and possible losses (local extinctions) of

more scarce taxa with increasing temperatures

Durance & Ormerod (2007)

Significant long-term trends related to the thermophily and rheophily of benthic taxa, with

groups preferring cold waters and higher flows declining

Chessman (2009)

Changes in stability and persistence Collier (2008)

Changes in species composition in lakes Burgmer et al. (2007)

Changes in structure and diversity of riverine mollusk communities with reduction in

community resilience during hot years

Mouthon & Daufresne (2006)

Table 2 Examples of temperature and hydrologic effects resulting from climate change, land use changes, and water removal

Effects on Climate change Land use change Water abstraction/diversion

Water

temperature

Increases on a global scale with

regional differences, modified to

some extent by local to regional

variations in vulnerability;

superimposed on year-to-year

variations

Local to watershed scale increases

due to altered land cover (e.g.,

runoff from impervious surfaces)

and altered channel morphology;

possible decreases due to

reforestation, restoration of

riparian cover

Local to watershed scale increases

due to reduced flows, altered

channel morphology; variable

temperature effects related to dam

releases

Hydrology Regionally variable, often including

reduced annual discharge,

reduced summer flows and

baseflow, increased flow variability,

increased flooding episodes,

increased flashiness; some streams

changing from perennial to

intermittent flows

Decreased infiltration, increased

surface runoff, altered flood runoff

patterns, higher peak flood flows,

reduced groundwater recharge and

reduced baseflow

Reduced discharge, flow

displacement, altered timing and

magnitude of peak and base flows,

altered flow variability
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information on the ecological health of a water body

(Norris & Barbour, 2009). Ecological indicators serve

as easily interpretable surrogates to gauge condition

of an aquatic ecosystem (Niemi & McDonald, 2009).

They can also be early warnings of degradation that

link appropriately to the stressors expected in the

system, which now include global changes in climate,

land use, and water use.

The effects of global change on bioassessment

programs will vary regionally. Land and water use

effects are largely driven by locations of and

projected future changes in major population and

agricultural centers. Differences in climate change

threats and responsiveness are instead driven by

regional variability in climate, as well as regional

differences in the vulnerability of aquatic ecosystems.

Differences in regional climate and disturbance

regimes are important contributors to species sensi-

tivities to environmental changes (Helmuth et al.,

2006). Many factors can influence susceptibility to

changing water temperature or hydrologic regime due

to climate change, such as elevation (Cereghino et al.,

2003; Diaz et al., 2008; Chessman, 2009), stream

order (Minshall et al., 1985; Cereghino et al., 2003),

degree of ground water influence, or factors that

affect water depth and flow rate, such as water

withdrawals (Poff, 1997; Poff et al., 2006a; Chessman,

2009).

Essential components of the assessment and man-

agement of ecological health include the reference

condition paradigm and the use of biological indica-

tors. In a regulatory context, impairment represents a

level of departure from defined reference conditions

considered unacceptable for maintenance of ecolog-

ical integrity. However, the continued good status of

reference locations, and therefore, their use as a basis

for comparison, is significantly threatened by global

change. Both climate change effects and encroach-

ment of development can be expected to impact

streams that were previously categorized as mini-

mally altered, probably more so than previously

conceived or documented. We have found that in

some examples from state biomonitoring data in the

U.S. losses of cold-preference taxa and replacement

by warm-preference taxa had the potential to degrade

the condition classification of reference stations by a

full level (e.g., from ‘‘excellent’’ to ‘‘good’’, or

‘‘good’’ to ‘‘fair’’), as defined by the particular state

bioassessment schema (Fig. 2) (USEPA, 2010).

Land use impacts on reference stations have long

been considered a factor that can be controlled in the

process of selecting sampling stations. However,

finding undisturbed reference conditions is already a

challenge in the U.S. and Europe (e.g., Herlihy et al.,

2008; Noges et al., 2009), and often the only

comparisons for assessment are to the ‘‘best of what

is left’’, or least disturbed conditions (Stoddard et al.,

2006). For state biomonitoring programs in the U.S.,

it is often the case that the extent of developed land

uses affecting established reference locations is not

quantitatively documented, nor updated over time.

We have found that the influence of urban/suburban

land uses on established reference locations can be

greater than previously assumed. In one example,

20–25% of reference sites classified as high quality in

Florida were actually surrounded by [20% urban/

suburban land uses (Fig. 3). Furthermore, using

spatially explicit projections of population growth,

it was estimated that by the year 2100, from 36 to

48% of current reference locations could be compro-

mised by encroachment of developed land uses

(Fig. 3) (USEPA, 2010).

The combined effects of climate change and land

use encroachment are thus reducing availability of

reference locations for comparative analyses, and

definition of the reference baseline will continue to

shift toward more degraded conditions (‘‘reference

station drift’’, Fig. 4). Noges et al. (2007) suggest that

in Europe, climate change will alter reference con-

ditions enough to potentially alter typologies (classi-

fications) and impact restoration targets. They point

to the need for periodic re-evaluation and adjustment

Fig. 2 Final bioclassification (station quality) scores at a

North Carolina reference site in the Blue Ridge Mountain

ecoregion (NC0209) before and after all cold-preference taxa

are eliminated from the observed benthic invertebrate

community
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of reference conditions and associated standards to

accommodate climate change effects that cannot be

mitigated. With regard to the Clean Water Act

(CWA), this might be interpreted as a lowering of

standards in conflict with anti-degradation policies.

The influence of global change thus poses a serious

risk to management decisions regarding environmen-

tal protection and restoration. Unaccounted climate

change impacts, especially when further compromised

by increasing influence of developed or agricultural

land uses, are likely to lead to fewer determinations of

impairment and listings of impaired stream reaches.

This is expected because biological responses to

climate change, such as decreases in mean abundances

or species richness of cold-preference or other

sensitive taxa and trait groups, increases in warm-

preference or other tolerant taxa and groups (USEPA,

2010), and increases in the variability of these

indicators, drive reference sites to greater similarity

with non-reference areas, as well as greater difficulty

in establishing statistical differentiation (USEPA,

2008). Overall, progressive under-protection of water

resources can be expected.

The interpretation of biological indicators and

metrics is also at risk from global changes. Several

traditional, taxonomically based biological metrics,

including total species richness; Ephemeroptera

(mayflies)–Plecoptera (stoneflies)–Trichoptera (cad-

disflies) (EPT) abundance and richness metrics; and

Hilsenhoff’s biotic index (HBI), are shown to be

composed of both cold- and warm-water preference

taxa (USEPA, 2010). The relative contribution from

cold- and warm-preference taxa varies regionally and

among metrics (USEPA, 2010). This mixed compo-

sition of temperature traits leads to differential

responses to climate-associated increases in water

temperature over time, and therefore, the vulnerabil-

ity of that metric to climate change effects. If a metric

like EPT richness is evaluated in a vulnerable

location where cold-preference taxa are declining

over time, the EPT metric would decline with the

potential to alter the ecological status rating of that

location. This could happen due to climate change in

the absence of any other impairment to the water

resource conditions at that location. In another

example, we have found a widespread, moderate

but significant relationship between temperature

sensitivity and sensitivity to organic pollution

(USEPA, 2010). Thus, metrics such as Hilsenhoff’s

Biotic Index (HBI), originally adopted to represent

responses to organic pollution, are susceptible to

changes in index values due only to climate change

effects. The magnitude of biological responses due to

climate change-mediated increases in temperature

may be sufficient to cross thresholds of impairment

and alter management decisions (USEPA, 2010).

Without accounting for these climate responses, the

traditional interpretation of changes in EPT, HBI, or

other metrics could be in error and increase the

uncertainty of currently employed processes of

impairment characterization and interpretation of

causes.

Tracking long-term responses in trait groups

defined by temperature preferences is a means to

Fig. 3 Percent of existing Florida reference stations (N = 58,

classified as ‘‘exceptional’’), that have [20% developed land

use (with 25 houses per square mile or more) within a 1-km

buffer surrounding the station; for current land use conditions,

and for projected developed land use distributions consistent

with IPCC (2000) base case, A2 and B1 scenarios, projected

for decadal time periods through 2100 (from USEPA 2010)

Fig. 4 Hypothetical example of reference station drift over

time as climate change degrades the condition of sites, based

on classification of stations along a Biological Condition

Gradient (BCG)
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determine biological responses to global changes in

temperature (Poff, 1997). Categorization by traits

reduces variation across geographical areas that can

be associated with taxonomic composition, and thus

supports analyses of regional or larger-scale data sets.

Such regional-scale analyses are consistent with the

larger scale of global change effects. Evaluation of

temperature trait groups that are subsets of traditional

taxonomically based metrics also illustrates the

vulnerabilities of current bioassessment metrics.

Predictive models such as the River Invertebrate

Prediction and Assessment Classification System

(RIVPACS) used to assess condition and make

compliance or other regulatory decisions are suscep-

tible to responses to climate change, predominantly

through the relative composition of cold- and warm-

preference trait groups in the ‘‘observed communi-

ties’’ (O in the O/E [observed/expected] index)

(USEPA, 2010). The predictive models for expected

communities may be more robust to climate change

than individual indices, given periodic model recal-

ibration, due to the relative stability of using long-

term averages in estimating predictor variables

(USEPA, 2010). The process of periodic recalibration

may still have the undesirable effect of altering the

reference baseline of comparison over the long term.

Integration of monitoring and assessment

for global change into environmental policy

It is clear that programs using biological indicators

and reference-based comparisons as the foundation

for assessments are likely to make increasingly

erroneous decisions, especially in the most climati-

cally vulnerable or in increasingly populated regions

and watersheds, if the impacts of global change are

ignored. Conversely, programs that adapt their bio-

logical assessment framework by characterizing

global change vulnerabilities and sensitive ecological

traits will be in a better position to make informed

decisions regarding the synergism of multiple stress-

ors in the context of global changes. We have

highlighted several critical components of the typical

water quality management process that are demon-

strably vulnerable to global change impacts. These

include impacts to biological indicators that dissoci-

ate their responses from conventionally interpreted

causes; degradation of reference conditions that will

rapidly make it difficult or impossible to define

desirable levels of ecological integrity; and the

synergism of global changes that will alter water

distribution and availability and increase the uncer-

tainty under which flows needed to maintain ecolog-

ical functioning will be maintained. If assessment

approaches are not modified, the increasing loss of

aquatic habitat to global shifts in abundance and

distribution of flowing waters will become institu-

tionalized because of lack of action to deal with the

implications of global change. This will introduce

additional uncertainty into a system that requires

knowledge of relatively predictable biological indi-

cator responses to different types of ‘‘conventional’’

stressors.

The framework for a new approach needs to

address these major vulnerabilities in a manner that

accommodates the inherent scale differences between

‘‘global change’’ stressors and many conventional

stressors. We recognize that many aspects of on-the-

ground implementation of water policy and water

quality management will continue to be at a local

(e.g., stream reach) level. Local actions that are

augmented with a regional (or larger) scale focus will

allow bioassessment and implementation of water

law and policy to incorporate considerations of global

change stressors. Any supplementary monitoring or

analyses at a regional scale should also provide inputs

that are meaningful at the local scale.

What do we do about loss of reference conditions?

Global changes influence all aspects of making water

resource manage decisions that are based on com-

parisons to reference conditions. Clearly it will

become increasingly problematic to find an ‘‘undis-

turbed’’ water body of a particular type as a way to

define acceptable conditions of ecological integrity.

The baseline described from existing reference loca-

tions will increasingly reflect only the best available

or least disturbed among available locations, and so

will reflect increasingly degraded conditions. As

stated earlier, the option of periodic recalibration of

reference conditions based on what is left leads

directly to acceptance of widespread and institution-

alized degradation of water quality conditions and

calls into question how anti-degradation policies,

typically included in water quality regulations in the

U.S., can be managed considering the additional

influences of climate change. There needs to be a

basic understanding that recalibration of reference in
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a downward direction should never be done. Use of a

biological condition gradient approach will aid in

anchoring the reference condition founded on an

achievable schema (Davies & Jackson, 2006). Special

attention of management and regulatory agencies

will be needed to consider implementation of anti-

degradation policies with respect to global changes.

On the other hand, there will have to be consid-

eration given in some circumstances to the possibility

that global changes may lead to irreversible changes

in habitat conditions over the long term that may

irretrievably alter attainable ecological conditions

and uses. For example, some cold-water streams

could take on cool water characteristics, with declin-

ing abundances or richness of sensitive cold-water

taxa and possible increases in warm-water taxa.

Regulated parameters such as temperature, dissolved

oxygen, and ammonia, may also be sensitive to

climate change effects, and their values may need to

be adjusted relative to revised designated uses

(Table 3). Refinement of aquatic life uses can be

applied to guard against lowering of water quality

protective standards. More refined aquatic uses could

create more narrowly defined categories, which could

accommodate potentially ‘‘irreversible’’ changes, but

with sufficient scope to maintain protection and

support anti-degradation from regulated causes. In

addition, the application of use attainability analyses

(UAA) on vulnerable water bodies may be pertinent

for characterizing climate impacts.

Detecting and monitoring shifting conditions in

the reference population should be part of any water

quality program. As described earlier, a more objec-

tive scale for defining ecological condition, and thus

for characterizing reference conditions, that is

anchored in expectations for what would be attain-

able under undisturbed conditions will be integral to

such a program. While seemingly a tall order,

developing a scale of condition that reflects the full

range of biological potential for a region would have

two values as an adaptation of the process of

bioassessment in the face of global changes. First, it

would allow existing reference locations to be ranked

in terms of ecological status, where such ranking

could be corroborated with documentation of existing

levels of land use encroachment, water withdrawals

and flow alterations. Second, it would define the scale

against which future reference station degradation

Table 3 Variables addressed in criteria and pathways through which they may be affected by climate change (from Hamilton et al.,

2009)

Criteria Climate change impacts

Pathogens Increased heavy precipitation and warming water temperatures may require the evaluation of potential pathogen

viability, growth, and migration

Sediments Changing runoff patterns and more intense precipitation events will alter sediment transport by potentially

increasing erosion and runoff

Temperature Warming water temperatures from warming air temperatures may directly threaten the thermal tolerances of

temperature-sensitive aquatic life and result in the emergence of harmful algal blooms (HABs), invasion of

exotic species, and habitat alteration

Nutrients Warming temperatures may enhance the deleterious effects of nutrients by decreasing oxygen levels (hypoxia)

through eutrophication, intensified stratification, and extended growing seasons

Chemical Some pollutants (e.g., ammonia) are made more toxic by higher temperatures

Biological Climate changes such as temperature increases may impact species distribution and population abundance,

especially of sensitive and cold-water species in favor of warm-tolerant species including invasive species.

This could have cascading effects throughout the ecosystem

Flow Changing flow patterns from altered precipitation regimes is projected to increase erosion, sediment and nutrient

loads, pathogen transport, and stress infrastructure. Depending on region it is also projected to change flood

patterns and/or drought and associated habitat disturbance

Salinity Sea level rise will inundate natural and manmade systems resulting in alteration and/or loss of coastal and

estuarine wetland, decreased storm buffering capacity, greater shoreline erosion, and loss of habitat of high

value aquatic resources such as coral reefs and barrier islands. Salt water intrusion may also affect groundwater

pH Ocean pH levels have risen from increased atmospheric CO2, resulting in deleterious effects on calcium

formation of marine organisms and dependent communities and may also reverse calcification of coral

skeletons
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from combined global change impacts could be

tracked and quantified. Characterization of conditions

at test locations would utilize the same scale, and

relative changes between reference and test condi-

tions would provide one piece of evidence in the

evaluation of contributions of global and conven-

tional stressors to impairment.

An example of an objective scale of condition is

the Biological Condition Gradient (BCG), which has

been under research and development by the USEPA

(Davies & Jackson, 2006). Its application in general

is justified as supporting a more uniform interpreta-

tion of condition. This approach would also establish

a best estimate of undisturbed biological potential,

and therefore, a reference a baseline against which to

track future global changes. This would be a valuable

adaptation of the existing bioassessment approach,

and in the long term would help meet the objectives

of maintaining and restoring good levels of water

quality and ecological integrity. It is highly recom-

mended that an objective scaling of biological

condition, such as the BCG, be given much greater

focus and support at the national and regional scale.

Development of an objective scale for character-

izing ecological status and condition would have to

be regional and be supported by classification of river

system types (development of typologies). This

follows the need to define reference conditions

regionally within types, an approach used in the US

(e.g., Gerritsen et al., 2000; Barbour & Gerritsen,

2006), Europe (e.g., Verdonschot, 2006; Noges et al.,

2007), and Australia (e.g., Kennard et al., 2006).

BCGs have been developed for some regions in the

US (e.g., Gerritsen & Leppo, 2005). However, there

is still a legacy of conducting site-specific condition

assessments based on comparison to an ‘‘upstream’’

reference site or using a paired-watershed approach.

Site-specific comparisons cannot capture or account

for effects of large scale, pervasive global changes

outside of a regional context that defines the range of

variation of conditions that exist for that water body

type.

Implicit in tracking and accounting for global

changes as a part of bioassessment is a time

component to sampling and analyses. Despite the

relatively large number of reference stations that may

be sampled within a jurisdiction or ecoregion, there

are typically few stations that are sampled repeatedly

and have long-term data. Preservation of adequate

long-term data records, with ongoing, regular (at least

annual) monitoring is desirable to increase the

robustness of water program assessments to the

confounding effects of climate change. Adequate

long-term monitoring can be a burden for local to

regional management agencies. Considering the

desirability of repeated temporal monitoring with

the recommendation that reference conditions be

established on a regional basis, it is recommended

that a network of comprehensive monitoring loca-

tions be established and maintained. A regional level

of implementation would be consistent with the scale

of controlling factors in climate change patterns and

vulnerabilities, such as climatic type, geology, topog-

raphy, elevation, ground water influence, latitude,

vegetation, etc. Such conditions often cross state,

tribal or other jurisdictional boundaries. Collabora-

tion would be best suited in a modest initial focus of

monitoring vulnerable areas and watershed types.

Environment agencies are charged with embracing

the concept of protecting remaining high quality

stream reaches that define reference conditions,

mostly at the watershed management scale (e.g.,

Palmer et al., 2009). However, the range of possible

protective actions is limited, and for the most part,

only addresses climate change indirectly. Protection

options encompass minimization, mitigation, and/or

buffering from land use impacts of non-point source

runoff, erosion, and hydrologic changes, as well as

consideration of water withdrawal impacts. Catego-

ries can include socio-political action at the munici-

pal to state scale, such as zoning restrictions, green

building incentives, riparian buffer zones, designation

of conservation zones or protected areas (e.g.,

preserves, national parks or forests, wilderness areas),

implementation of environmental flow regulations, or

other limitations on water withdrawals or diversions

from particular stream reaches. Protection actions can

be valuable on a local to regional scale, and can be

targeted at high quality or unique aquatic resources

(Palmer et al., 2009). However, there are often

disconnects between the agency with interest in

protection of high quality reference locations (e.g.,

state environment or natural resource departments)

and the agencies with the authority to implement such

actions. In addition, implementation of comprehen-

sive protection measures takes time, which is in short

supply relative to impacts from global changes which

are happening now. Given the existing and future
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projected levels of global change impacts to aquatic

resources, targeted protection cannot be solely relied

onto maintain the future viability of bioassessment

and implementation of water policy.

How do we resolve mixed messages from existing

biological indicators? Appropriate indicators for

assessing ecological status and integrity depend on

the vulnerability of potential indicators to the range

of stressors being tracked, their ease of measurement

and interpretability, and the applicability of the

information they provide at the spatial or temporal

scale of interest. Indicators can be drawn from a wide

range of ecosystem properties, including functional

and structural components, production and metabo-

lism, nutrient use and cycling, energy supply, and

species composition and feeding types represented in

its biotic assemblages (Allan & Castillo, 2007). There

is increasing emphasis on using measures that reflect

functional processes (Paul, 1997; Fellows et al.,

2006), or that incorporate both ecosystem structure

and function (Udy et al., 2006). Moss (2008) argues

that true properties of ecological quality include

efficiency of nutrient use, habitat connectivity,

mechanisms of resilience, and characteristic biolog-

ical structures and functions, but not necessarily a

characteristic species list; and that biomonitoring

should not rely mainly on taxonomic indices. Still, it

is widely accepted and applied in bioassessment that

characteristics of biological assemblages, including

both taxonomic and trait groups, strongly reflect

ecosystem status and health (Bonada et al., 2007a, b;

Johnson & Hering, 2009; Norris & Barbour, 2009).

Difficulties arise in categorizing unique indicators

of global changes, because of similarities in some of

the temperature and hydrologic effects resulting from

climate change, land use changes, and water removal

(Table 2). In addition, climate change is a global

influence in the environment, which differentiates it

from most conventional stressors, including land use

and water demand changes, which are landscape-scale

stressors with global implications. Biomonitoring tools

should be tailored to the types and scales of stressors

expected. If it is a fundamentally sound concept that

larger scale (global change) stressors require a com-

parably large scale of assessment and management,

then both the selection of potential indicators and the

way they are used in a bioassessment framework must

be appropriate for regional (or larger) scale applica-

tion. This will require a conscientious refocusing of

water policy implementation from the local scale

fostered by the current stream reach-specific listing

process, to a watershed scale or larger scale, integrated

approach to evaluation and management.

With increasing knowledge of the types of biolog-

ical responses to climate change evident around the

US, Europe, and elsewhere, as well as the categories of

organisms that are showing relatively predictable

responses, it may become possible to adjust bioas-

sessment metrics to enable a clearer interpretation of

stressor identification and causal analysis. In a man-

agement or regulatory context, biological indicators

likely to express the strongest, most regionally

consistent and interpretable responses to climate

variables will be most effective to document effects

early and establish credible links between causes (i.e.,

the stressor of climate change) and observed biological

responses.

Groupings of macroinvertebrates (or other organ-

isms used in bioassessment) based on ecological traits

related to temperature or hydrologic preferences

provide a link to temperature- and flow-related global

change effects. They are interpretable with regard to

causal relationships, though with limitations, and

offer predictive ability and transferability among

regions (Lamouroux et al., 2004; Poff et al., 2006b;

Horrigan and Baird, 2008; Verberk et al., 2008a, b).

Trait-based analysis may increase the diagnostic

power of taxon-based bioindicators (Dolédec et al.,

2000) and contribute to a broader understanding of

environmental stressor responses (Dolédec & Statz-

ner, 2008). We have already indicated that complete

separation of climate change and other global

changes will often be difficult and is unlikely to be

accomplished through a single biological indicator

unique to a specific global stressor. Nevertheless, we

propose that separating taxonomic metrics (e.g., EPT

taxa, HBI) into sub-categories based on temperature

preferences can be used to enhance the ability to

make inferences about global change effects com-

pared to other stressors. Tracking metrics by temper-

ature preference would provide a mechanism for

documenting climate change-related taxa losses or

replacements; this could be used in conjunction with

other stressor data and trends at reference locations to

help differentiate among global and conventional

stressor contributions to observed responses.

Preliminary evaluations have been undertaken of

the efficacy of separating taxonomic metrics, such as
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metrics related to EPT taxa, and the HBI, into new

metrics that account for temperature preferences of

the component taxa (e.g., a ‘‘cold-EPT richness’’

metric, etc.) (USEPA, 2010). Additional testing of

potential climate-revised metrics would be needed on

a regional basis.

Continued success in associating biological

responses with probable causes of impairment will

require redefinition and recalibration of many tradi-

tional metrics. In terms of policy implications, it is

likely that such efforts would be viewed by local

resource managers as extensive. ‘‘Federal’’ agencies

are already providing support in the form of

substantial trait data bases (e.g., Schmidt-Kloiber

et al., 2006; USEPA, 2010). Additional regional

efforts to define temperature traits will be needed to

provide an important component in the foundation for

evaluating climate change affects on aquatic ecosys-

tems. If the relative contributions from the major

global changes can not be reliably separated, this

weakens specific impairment or other management

decisions with the potential effect of losing the

confidence of the regulated community.

Why embrace a management paradigm shift? The

legacy of focusing on point sources of pollution

carries an additional legacy of justifying remedial

action based on cause. ‘‘Punishment of the guilty’’

describes the assessment and management of point

sources of pollution, in which the imposition of some

regulatory action (e.g., permit limits, mitigations,

restoration requirements) is justified based on specific

attribution of the cause of impairment. This approach

gives a narrow focus to the process of water resource

quality protection and restoration and does not

encompass adaption strategies to address and manage

global change impacts. We recognize there will

always be local pollution problems that require local

solutions; thus, examination of local causes will

continue to be applicable in the context of defining

impairment from point source dischargers, supporting

issuance and re-issuance of discharge permits, track-

ing responses to specific restoration actions, and

developing total maximum daily load (TMDL) limits.

However, local management for preservation of

ecological integrity also is impacted by stressors at

non-local (global) scales; hence, the need to utilize

multiple scales of assessment.

Recognize the management implications of the

discontinuities between the scale of global stressors,

the scale of the indicators employed in the assessment

process (local to regional), and the scale of manage-

ment options (local to regional) is a first step in

developing an appropriate response. The causes of

climate change cannot be altered at the scale of most

water resource management activities. Even if max-

imum reductions of greenhouse gas emissions were

achieved immediately on a national to global scale,

‘‘committed’’ climate responses would continue for

decades. Similarly, population growth along with

increases in developed and agricultural land uses will

continue, as will demands for human uses of fresh

water, outside of the purview of local water quality

agencies. But water resource managers are still faced

with protection or restoration of good water quality

and ecological integrity.

In the context of climate change it is increasingly

important to consider adaptation strategies or other

management actions for remediation or restoration

that are not necessarily directly related to the proximal

cause of the problem. This is a diverse concept that has

been touched on by the IPCC (‘‘no regrets’’ adapta-

tions, IPCC, 2001) and the U.S. Climate Change

Science Programs (CCSP, 2008). We suggest that

managers be encouraged to consider actions that can

improve or ameliorate an impaired condition in an

aquatic system, considering broad factors such as

feasibility of implementation, possibility of multiple

environmental benefits, and direct or indirect impacts

on conditions of concern. The actions may not be

directly related to the causes of concern, but given the

increasing likelihood that multiple causes may be

contributing to a particular condition at multiple

scales, this is inevitable. Adaptations can be selected

to have recognizable environmental benefits, whether

projected global changes ultimately impact the site or

not (‘‘no regrets’’ adaptations). The need to take

whatever management actions that may be feasible is

starting to be recommended in response to climate

change in particular (Palmer et al., 2009).

In the US, the USEPA develops the scientific basis

for water law and environmental policy actions and

provides recommendations and guidance to state water

quality agencies for implementation. In Europe, the

guiding principal is the Water Framework Directive

and the oversight organization that includes represen-

tatives of the partner countries. Each country is then

charged with the mandate to implement the Direc-

tive. Regardless, the agency with the responsibility of
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assessing and protecting its water resources should

help advance a revised assessment process, including

inputs on:

• Methods and criteria for evaluating the relative

vulnerabilities of regions or watersheds to global

change effects, focusing on alterations to thermal

and hydrologic regimes, and future projections of

land use patterns. Assessments should use objec-

tive criteria to define vulnerabilities. Providing

clear expectations of effects due to global change

for key species and communities in freshwater

ecosystems will help these programs achieve their

goals under changing environmental conditions.

• Support of additional research needs through

agency and academic channels, including focus

on how to implement program modifications,

BCG implementation, traits and biotic response

data base expansion, and metrics modifications.

• Development and implementation of more sophis-

ticated watershed modeling to bridge the scale

gap between General Circulation Models (GCMs)

and watershed responses. The EuroLimpacs pro-

ject of the EU has done much in this regard (e.g.,

Whitehead et al., 1998a, b, 2002; Wade et al.,

2002). In the US, EPA’s Global Change Research

Program is supporting research to evaluate the

impacts of climate change and urbanization on

hydrology and water quality in 20 major river

basins throughout the US.
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