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Preface

Since earliest recorded times, humans have manipulated their surroundings in order

to extract and exploit resources. In the modern era, resource extraction, processing,

and utilization have increased tremendously. Several kinds of waste materials are

produced, in which most of them are now classified as hazardous. While the side

effects of industrial development increased, nations are also experiencing soil,

groundwater, as well as surface water contamination. Many of the contaminants

have an immediate threat to public health and environment. Unfortunately, there is

no standard instruction that could be applied in remediation of a contaminated site,

because each site has its own distinct feature, which will vary in terms of toxicity,

volatility, mobility, and so on.

Regarding to these considerations, contaminants’ behavior should be determined

in order to removing them efficiently with minimum damage to the site. The

purpose of soil remediation is not only to enhance the degradation, transformation,

or detoxification of pollutants but also to protect the quality and capacity of the soil

to function within ecosystem boundaries, to maintain environmental quality, and to

sustain biological productivity. It is difficult to evaluate this market with any

specificity, but the international market for remediation is estimated to be around

US$ 25–30 billion. It is challenging to establish such estimates, as many countries

have not undertaken comprehensive identification of contaminated sites. The USA,

Canada, Western Europe, Japan, and Australia are considered to be the dominant

international markets for remediation, with an established presence of a large

number of environmental companies, products, and services. Emerging economies

of some more developed Asian, Eastern European, and Latin American countries

will represent significant medium-term remedial market opportunities.

There are several different remediation strategies used around theworld to treat soil

contaminated with toxic metals and/or organic chemicals. Three widely used

strategies are (1) immobilization or retention of toxicants within a confined area, (2)

removal of contaminants from the soil, (3) destruction of organic pollutants by

chemical, physical, or biological means. These strategies either individually or in

combination with each other have been routinely implemented by the remediation

industry to successfully treat contaminated soil. Biological remediation technologies
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require knowledge of interdisciplinary sciences, involving microbiology, chemistry,

hydrogeology, engineering, soil and plant sciences, geology, and ecology. Biological

processes are typically implemented at a relatively low cost, and biological remedia-

tion methods have been successfully used to treat polluted soils, oily sludges, and

groundwater contaminated by petroleum hydrocarbons, solvents, pesticides, and other

chemicals.

Bioremediation started over 50 years ago with research examining the fate of

pesticides in agricultural soils. Scientists began to use fungi and bacteria for the

degradation of xenobiotic organic compounds toward the middle of the twentieth

century. The use of bacteria showed fast and promising results, but research on

evaluating fungi has lagged behind. This does not mean that fungi are not suitable

organisms or that they function less satisfactorily than bacteria in degrading such

compounds. The participation of fungi in bioremediation is now well established in

all ecosystems. Mycoremediation is one of the most complex areas in applied

remediation engineering. During the past two decades, many fungal scientists and

engineers have wanted to try using fungi in the degradation of organic compounds,

and for those who did try using them, good results were obtained. The discovery of

the value of white-rot fungi in bioremediation has brought greater success and has

thus stimulated research throughout the world. A new era in the use of fungal

technologies for the degradation of organic compounds has begun. Thus, the need

has arisen for a book that discusses the unique role of fungi in bioremediation.

The prime objective of this book is to highlight the potential of filamentous fungi

in bioremediation and to discuss the physiology, chemistry, and biochemistry of

organic and inorganic pollutant transformations. The chapters are written by lead-

ing international authorities in their fields and represent the latest and most com-

plete synthesis of this subject area. The state of the science described here

represents pioneer work that focuses on the new and exciting field of

mycoremediation. The book contains elements from all scientific and engineering

disciplines known globally and lays a strong foundation in the subject that will

serve to connect knowledge developed in both the twentieth and twenty-first

centuries. The book is encyclopedic in scope and presents various types of fungi

and the associated fungal processes used to clean up wastes and wastewaters in

contaminated environments. The book covers aspects related to degradative fungi,

biochemistry, enzymology, reactor engineering, genetic engineering, ecology of

biodegradation, and practical applications. The knowledge flows broadly from

fundamental to practical aspects, making it useful to learn and apply bioremediation

holistically. The book not only contains an interwoven synthesis and historical

perspective of the technology but also provides “slow-release nutrition” for

inventions and new frontiers for future research. The latest advances in genetic

engineering and molecular biotechnologies that will be useful for the creation of

suitable fungi capable of faster detoxification of these compounds are also

described.

The book is intended to reach a wide audience, including managers and leaders

in research and the practice of mycoremediation, and should be very useful as a

reference tool for practicing engineers, scientists, waste site managers, and
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regulatory experts. It will also provide useful information for experts in allied fields,

such as botany, mycology, geology, ecology, fungal biochemistry, genetics, enzy-

mology, metabolic engineering, environmental microbiology, and biotechnology.

This should be a leading source for graduate and undergraduate students interested

in understanding the capacities and processes of fungal biodegradation. Graduate

students can conduct experiments or research in the laboratory or apply fungi in

bioremediation at contaminated sites without seeking special guidance. The work

will also serve as a handbook for the creation of new designs and components for

mycoremediation processes.

The book will stimulate thought and greater research in the wider context of

mycoremediation processes in the coming decades. Hazardous wastes and

wastewaters constitute a problem of modern civilization that will not go away for

centuries. New wastes and wastewaters are being generated every year with our

growing industrialization. A day will come when fungi will play a greater role in the

transformation and detoxification of hazardous wastes and wastewaters than at

present.

Experts in the area of environmental microbiology, biotechnology, and biore-

mediation, from diverse institutions worldwide, have contributed to this book. We

would like to express our sincere appreciation to each contributor for his/her work

and for their patience and attention to detail during the entire production process.

We sincerely hope these eminent contributors will encourage us in the future as

well, in the greatest interest of academia.

The editors would like to thank Dr. Ashok K Chauhan (Founder President,

Ritnand Balved Education Foundation), Sri Atul Chauhan (Chancellor, Amity

University Uttar Pradesh), and Sri Aseem Chauhan (Chancellor, Amity University

Rajasthan) for their encouragement and inspiration. We are extremely grateful to

the staff members of Springer Heidelberg, especially Hanna Hensler-Fritton

and Jutta Lindenborn, for their continued interest, critical evaluation, constructive

criticism, and support. We wish to acknowledge the help and support given to us

by our faculty colleagues, family members, and friends for their constant encour-

agement. Special thanks are due to our Ph.D. student Ms. Ruchika Bajaj for day to

day monitoring the progress of the book and willing helping me.

Tehran, Iran Ebrahim M. Goltapeh

Urmia, Iran Younes R. Danesh

Noida, Uttar Pradesh, India Ajit Varma
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Barbara Piškur, Miha Humar, Ajda Ulčnik, Dušan Jurc,
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Ecophysiology of Fungal Bioremediation



Chapter 1

An Introduction to Bioremediation

Babak Pakdaman Sardrood, Ebrahim Mohammadi Goltapeh,

and Ajit Varma

1.1 Introduction

The explosive rise of global population has led to the increased exploitation of

natural resources and sources to respond to the high demands of the population for

food, energy, and all other requirements. Industrial revolution was a response to

these requirements; however, it has resulted in the production of huge number of

various organic and inorganic chemicals that have directly and indirectly led to the

prolonged pollution of the habitats. The duration of the contamination is regarded to

be because of their difficult biodegradability. The trend of environmental pollution

is so fast and vast that the detectable rates of contamination are even encountered in

the farthest ocean waters. Based on the estimations made by the environmental

protection agency (EPA) only around 10 % of all wastes were safely disposed off

(Chaudhry 1994; Reddy and Mathew 2001).

In addition to the pollutants and toxicants released from industries that continu-

ously affect the environment, an abstracted review of news reveals the occasional

but serious occurrence of environmental disasters such as the Exxon Valdez oil

spill, the Union-Carbide (Dow) Bhopal disaster, large-scale contamination of the
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Rhine River, the progressive deterioration of the aquatic habitats and conifer forests

in the Northeastern US, Canada, and some parts of Europe, or the release of

radioactive material in the Chernobyl accident, and most recently the crises resulted

from crude oil pollution of Mexico gulf waters and the leakage of the radioactive

materials from Fukushima reactor in Japan. The contaminants known to be biologi-

cally degraded by microorganisms so far known and applied in bioremediation

(bioremediants) have been categorized into five groups (Hickey and Smith 1996).

These include:

(a) Halogenated aromatic hydrocarbons

(b) Munitions wastes

(c) Organic solvents

(d) Pesticides

(e) Polyaromatic hydrocarbon (PAH) (creosote oily wastes)

PAH, pentachlorophenols (PCP), polychlorinated biphenyls (PCB), 1,1,1-

trichloro-2,2-bis (4-chlorophenyl) ethane (DDT), 2-benzene, toluene, ethylbenzene,

and xylene (BTEX), and trinitrotoluene (TNT) are persistent pollutants in the

environment known to exert carcinogenic and/or mutagenic impacts and have

been classified as priority pollutants by EPA. It has cost around one trillion USD

to decontaminate toxic waste sites in the USA using traditional waste disposal

methods such as incineration and landfilling (Reddy and Mathew 2001).

Bioremediation is regarded to be an effective and in the mean time an economic

method for the decontamination of environment.

1.2 Role of Environmental Biotechnology in Pollution

Management

Biotechnology can be used to assess the well being of ecosystems, transform

pollutants into benign substances, generate biodegradable materials from renew-

able sources, and develop environmentally safe manufacturing and disposal

processes.

Environmental biotechnology takes advantage of appropriately qualified living

organisms and employs genetic engineering to improve the efficiency and cost,

which are key factors in the future widespread exploitation of organisms to reduce

the environmental burden of toxic substances.

In view of the urgent need of an efficient environmental biotechnological

process, researchers have devised a technique called bioremediation, which is

an emerging approach to rehabilitating areas fouled by pollutants or otherwise

damaged through ecosystem mismanagement.

4 B.P. Sardrood et al.



1.3 Bioremediation

The term of bioremediation has been made of two parts: “bios” means life and

refers to living organisms and “to remediate” that means to solve a problem.

“Bioremediate” means to use biological organisms to solve an environmental

problem such as contaminated soil or groundwater. Bioremediation is the use of

living microorganisms to degrade environmental pollutants or to prevent pollution.

In other words, it is a technology for removing pollutants from the environment thus

restoring the original natural surroundings and preventing further pollution

(Sasikumar and Papinazath 2003).

Bioremediation could simply be defined as a biological process of the decontami-

nation of contaminated environment. The environment may be either terrestrial,

aqueous, or both. However, a more comprehensive definition is presented below:

Bioremediation is a means of cleaning up contaminated environments by

exploiting the diverse metabolic abilities of microorganisms to convert contaminants

to harmless products by mineralization, generation of carbon (IV) oxide and water, or

by conversion into microbial biomass (Baggott 1993; Mentzer and Ebere 1996).

A point to emphasize here is that bioremediation and biodegradation should not

be confused with each other. Bioremediation as a technique may include biodegra-

dation as only one of the mechanisms involved or applied in the process of

bioremediation. Only some of contaminants are biodegradable, and only some of

microorganisms can degrade a fraction of contaminants (Walsh 1999). Therefore, it

would be of worth to study the biodegrading potential of microorganisms.

Despite the fact that microorganisms have been used for the treatment and

transformation of waste products for at least a century, bioremediation is considered

as a new technology for eco-friendly decontamination of polluted environment. As

a popular case of the application of this technology, municipal waste water is

microbiologically decontaminated under controlled conditions so that dependent

upon the metabolic activities of microorganisms, different systems of activated

sludge and fixed films are applied in waste water treatment facilities (King et al.

1992). Wastes and pollutions can be permanently eliminated. Also, lasting

liabilities are eliminated taking advantage of less expensive but in the mean time

more long-standing biological systems. Furthermore, bioremediation methods

could be applied in an integrated manner together and coupled with other treatment

approaches. Bioremediation is a natural process and is therefore perceived by the

public as an acceptable waste treatment process for contaminated material such as

soil. Microbes able to degrade the contaminant increase in numbers when the

contaminant is present; when the contaminant is degraded, the biodegradative

population declines. The residues for the treatment are usually harmless products

and include carbon dioxide, water, and cell biomass.

Theoretically, there are enough bioremediants in nature that can be applied

against a broad range of pollutants and bioremediation can be considered as a

useful technique for the complete destruction of a wide variety of contaminants.

Many compounds that are legally regarded as detrimental and dangerous can be

1 An Introduction to Bioremediation 5



biotransformed to harmless products. This eliminates the chance of future liability

associated with treatment and disposal of contaminated material. Instead of trans-

ferring contaminants from one environmental medium to another, for example,

from land to water or air, the complete destruction of target pollutants is possible.

Bioremediation can save life web and prohibit the passage of dangerous and risky

contaminants from an ecosystem to another. Bioremediation can often be carried

out on site, often without causing a major disruption of normal activities. This also

eliminates the need to transport quantities of waste off site and the potential threats

to human health and the environment that can arise during transportation. Bioreme-

diation can prove less expensive than other technologies used for clean-up of

hazardous waste (Vidali 2001).

However, bioremediation technology suffers from two drawbacks. One is that

only a few bacteria and fungi act on a broad range of organic compounds. So far no

organism has been known enough omnivorous to destroy a large percentage of the

natural chemicals exist. This drawback may be bypassed through screenings

for the discovery of new microbial species and detection of the potential of

microorganisms in one hand, and the synchronized or successive application of

the microorganisms that complete the bioactivity of each other.

Another drawback to bioremediation is that it takes a long period of time to act

and impose its effect. There are some solutions to get rid of such a limitation.

Genetic manipulation techniques have led to an invaluable opportunity to obtain

new strains of enhanced or new bioremediation activity. Another solution may be

the addition of some enhancers in an environment or in a formulation to biochemi-

cally fortify certain bioremediation pathway(s). The third solution is the synchro-

nous use of one or more microorganisms that directly and/or indirectly increase the

bioactivity of a bioremediant. Increase of the bioremediant population is the fourth

and the simplest solution.

Bioremediation is limited to those compounds that are biodegradable. Not all

compounds are susceptible to rapid and complete degradation, and there are some

concerns that the products of biodegradation may be more persistent or toxic than

the parent compounds. Biological processes are often highly specific. Important site

factors required for successful bioremediation include the presence of metaboli-

cally capable microbial populations, suitable environmental growth conditions, and

appropriate levels of nutrients and contaminants. It is difficult to extrapolate from

bench and pilot-scale studies to full-scale field operations. Research is needed to

develop and engineer bioremediation technologies that are appropriate for sites

with complex mixtures of contaminants that are not evenly dispersed in the

environment. Contaminants may be present as solids, liquids, and gases. Bioreme-

diation often takes longer than other treatment options, such as excavation

and removal of soil or incineration. Regulatory uncertainty remains regarding

acceptable performance criteria for bioremediation.

There is no accepted definition of “clean,” evaluating performance of bioreme-

diation is difficult, and there are no acceptable endpoints for bioremediation

treatments (Vidali 2001).

6 B.P. Sardrood et al.



Bioremediation although considered as a reliable technique in the middle of

present environmental problems, however, it can also be considered problematic

because, while additives applied to promote the activity of the particular micro-

organism(s) may disrupt other organisms inhabiting same environment when done

in situ. Even if genetically modified microorganisms are released into the environ-

ment after a certain point of time it becomes difficult to remove them. Bioremedia-

tion is generally very costly, is labor intensive, and can take several months for the

remediation to achieve acceptable levels. Another problem regarding the use of in

situ and ex situ processes is that it is capable of causing far more damage than the

actual pollution itself.

Nutrient imbalance can hinder biodegradation. Inadequate provision of nitrogen,

phosphorus, potassium, and sulfur (which is probably the most important and

the most easily modified of all the factors) could limit the rate of hydrocarbon

degradation in the terrestrial environment (McGill and Nyborg 1975).

In the agreement to the United States Office of Technology Assessment (1990),

the amendment of limiting nutrients to the spill site is necessary. There are

sufficient hydrocarbon-utilizing microorganisms in soil to start bioremediation

as soon as nutrient limitation is alleviated (Stone et al. 1942). The natural

phospholipids, soybean lecithin and ethyl allophanate, are respectively the best

available phosphorus and nitrogen sources, for the microbial bioremediants of oil

contaminations (Olivieri et al. 1978).

From the view point of future prospects of bioremediation, it seems that the

development of our knowledge of microbial populations, their interactions to the

natural environment and contaminants, the increase of their genetic capabilities to

degrade contaminants, the long-term field studies of new economical bioremedia-

tion techniques can increase the potential for significant advances. There is no

doubt that bioremediation is the need of present world and can lead to protection

and preservation of natural resources we have browsed from the next generations.

1.4 Types of Bioremediation

On the basis of place where wastes are removed, there are principally two ways of

bioremediation:

1.4.1 In Situ Bioremediation

Most often, in situ bioremediation is applied to eliminate the pollutants in

contaminated soils and groundwater. It is a superior method for the cleaning of

contaminated environments because it saves transportation costs and uses harmless

microorganisms to eliminate the chemical contaminations. These microorganisms

are better to be of positive chemotactic affinity toward contaminants. This feature

1 An Introduction to Bioremediation 7



increases the probability of the bioremediation in close points where bioremediants

have not distributed. Also, the method is preferred as it causes the least disruption of

the contaminated area. This would be of much relevance either where the least

investment and pollution are favored (for example in factories) or in areas

contaminated with dangerous contaminants (for example in areas contaminated

with chemical or radioactive materials).

Another advantage of in situ bioremediation is the feasibility of synchronous

treatment of soil and groundwater. However, in situ bioremediation posses some

disadvantages: the method is more time-consuming compared to other remedial

methods, and it leads to a changed seasonal variation in the microbial activity

because of the direct exposure to the variations in uncontrollable environmental

factors, and the use of additives may lead to additional problems. The yield of

bioremediation is determined by the kind of waste materials, namely if wastes could

provide the required nutrients and energy, then microorganisms would be able to

bioremediate. However, in the absence of favorable wastes, the loss of bioactivity

may be compensated through stimulation of native microorganisms. Another

choice of less preference is to apply genetically engineered microorganisms.

Two types of in situ bioremediation are distinguished based on the origin of the

microorganisms applied as bioremediants:

(i) Intrinsic bioremediation—This type of in situ bioremediation is carried out

without direct microbial amendment and through intermediation in ecological

conditions of the contaminated region and the fortification of the natural

populations and the metabolic activities of indigenous or naturally existing

microfauna by improving nutritional and ventilation conditions.

(ii) Engineered in situ bioremediation—This type of bioremediation is performed

through the introduction of certain microorgansims to a contamination site.

As the conditions of contamination sites are most often unfavorable for the

establishment and bioactivity of the exogenously amended microorganisms,

therefore here like intrinsic bioremediation, the environment is modified in a

way so that improved physico-chemical conditions are provided. Oxygen,

electron acceptors, and nutrients (for example nitrogen and phosphorus) are

required to enhance microbial growth.

1.4.2 Ex Situ Bioremediation

The process of bioremediation here takes place somewhere out from contamination

site, and therefore requires transportation of contaminated soil or pumping of

groundwater to the site of bioremediation. This technique has more disadvantages

than advantages.

Depending on the state of the contaminant in the step of bioremediation, ex situ

bioremediation is classified as:
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(i) Solid phase system (including land treatment and soil piles)—The system is

used in order to bioremediate organic wastes and problematic domestic and

industrial wastes, sewage sludge, and municipal solid wastes. Solid-phase soil

bioremediation includes three processes including land-farming, soil biopiling,

and composting.

(ii) Slurry phase systems (including solid–liquid suspensions in bioreactors)—

Slurry phase bioremediation is a relatively more rapid process compared to

the other treatment processes.

Contaminated soil is mixed with water and other additives in a large tank called a

bioreactor and intermingled to bring the indigenous microorganisms in close

contact with soil contaminants. Nutrients and oxygen are amended, and the

conditions in the bioreactor are so adjusted that an optimal environment for

microbial bioremediation is provided. After completion of the process, the water

is removed, and the solid wastes are disposed off or processed more to decontami-

nate remaining pollutants.

1.5 Bioremediation Techniques

There are several bioremediation techniques, some of them have been listed as

follows (Baker and Herson 1994):

1.5.1 Bioaugmentation

The addition of bacterial cultures to a contaminated medium used frequently in in situ

processes. Two factors limit the use of added microbial cultures in a land treatment

unit: (a) nonindigenous cultures rarely compete well enough with an indigenous

population to develop and sustain useful population levels and (b) most soils with

long-term exposure to biodegradable waste have indigenous microorganisms that are

effective degraders if the land treatment unit is well managed (Vidali 2001).

1.5.2 Biofilters

The use of microbial stripping columns used to treat air emissions.

1.5.3 Bioreactors

The use of biological processes in a contained area or reactor for biological

treatment of relatively small amounts of waste. This method is used to treat slurries

or liquids. Slurry reactors or aqueous reactors are used for ex situ treatment of

contaminated soil and water pumped up from a contaminated plume.

1 An Introduction to Bioremediation 9



Bioremediation in reactors involves the processing of contaminated solid material

(soil, sediment, sludge) or water through an engineered containment system.

A slurry bioreactor may be defined as a containment vessel and apparatus used to

create a three-phase (solid, liquid, and gas) mixing condition to increase the

bioremediation rate of soil-bound and water-soluble pollutants as a water slurry

of the contaminated soil and biomass (usually indigenous microorganisms) capable

of degrading target contaminants. In general, the rate and extent of biodegradation

are greater in a bioreactor system than in situ or in solid-phase systems because

the contained environment is more manageable and hence more controllable

and predictable. Despite the advantages of reactor systems, there are some

disadvantages. The contaminated soil requires pretreatment (e.g., excavation) or

alternatively the contaminant can be stripped from the soil via soil washing

or physical extraction (e.g., vacuum extraction) before being placed in a bioreactor

(Vidali 2001). Bioreactors have been used to treat soil and other materials

contaminated with petroleum residues (McFarland et al. 1992; Déziel et al. 1999).

1.5.4 Biostimulation

The stimulation of the indigenous microbial populations in soils and/or ground

water. This process may be done either in situ or ex situ.

1.5.5 Bioventing

The process of drawing oxygen through the contaminated medium to stimulate

microbial growth and activity.

Bioventing is the most common in situ treatment and involves supplying air and

nutrients through wells to contaminated soil to stimulate the indigenous bacteria.

Bioventing employs low air flow rates and provides only the amount of oxygen

necessary for the biodegradation while minimizing volatilization and release of

contaminants to the atmosphere. It works for simple hydrocarbons and can be used

where the contamination is deep under the surface (Vidali 2001). In many soils

effective oxygen diffusion for desirable rates of bioremediation extend to a range of

only a few centimeters to about 30 cm into the soil, although depths of 60 cm and

greater have been effectively treated in some cases (Vidali 2001).

1.5.6 Composting

An aerobic and thermophillic process that mixes contaminated soil with a

bulking agent. Composting may be performed using static piles, aerated piles, or

continuously fed reactors. Composting is a technique that involves combining
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contaminated soil with nonhazardous organic amendments such as manure or

agricultural wastes. The presence of these organic materials supports the develop-

ment of a rich microbial population and elevated temperature characteristic of

composting (Vidali 2001). Composting is a process by which organic wastes are

degraded by microorganisms, typically at elevated temperatures. Typical compost

temperatures are in the range of 55–65 �C. The increased temperatures result from

heat produced by microorganisms during the degradation of the organic material in

the waste. Windrow composting has been demonstrated using the following basic

steps. First, contaminated soils are excavated and screened to remove large rocks

and debris (Antizar-Ladislao et al. 2007, 2008).

The soil is transported to a composting pad with a temporary structure to provide

containment and protection from weather extremes. Amendments (straw, alfalfa,

manure, agricultural wastes, and wood chips) are used for bulking agents and as a

supplemental carbon source. Soil and amendments are layered into long

piles, known as windrows. The windrow is thoroughly mixed by turning with a

commercially available windrow turning machine. Moisture, pH, temperature, and

explosives concentration are monitored. At the completion of the composting

period, the windrows would be disassembled and the compost is taken to the final

disposal area.

1.5.7 Landfarming/Land Treatment/Prepared Bed Bioreactors

Solid phase treatment system for contaminated soil that may be applied as an in situ

process or ex situ in a soil treatment cell. Landfarming is a simple bioremediation

technique in which contaminated soil is excavated and spread over a prepared bed

and periodically tilled until pollutants are degraded. The goal is to stimulate

indigenous biodegradative microorganisms and facilitate their aerobic degradation

of contaminants. In general, the practice is limited to the treatment of superficial

10–35 cm of soil (Vidali 2001).

Since landfarming has the potential to reduce monitoring and maintenance

costs, as well as clean-up liabilities, it has received much attention as a disposal

alternative (Vidali 2001). Spilled oil and wood-preserving wastes have been

bioremediated by landfarming treatments (Haught et al. 1995; Margesin and

Schinner 1999).

1.5.8 Biopiling

Biopiles are a hybrid of landfarming and composting. Essentially, engineered cells

are constructed as aerated composted piles. Adding compost to contaminated

soil enhances bioremediation because of the structure of the organic compost

matrix (Kästner and Mahro 1996). Compost enhances the oxidation of aromatic
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contaminants in soil to ketones and quinones, which eventually disappear

(Wischmann and Steinhart 1997).

Typically used for treatment of surface contamination with petroleum

hydrocarbons they are a refined version of landfarming that tend to control physical

losses of the contaminants by leaching and volatilization. Biopiles provide a

favorable environment for indigenous aerobic and anaerobic microorganisms

(Vidali 2001).

Biopile treatment is a full-scale technology in which excavated soils are mixed

with soil amendments, placed on a treatment area, and bioremediated using forced

aeration. The contaminants are reduced to carbon dioxide and water. The basic

biopile system includes a treatment bed, an aeration system, an irrigation/nutrient

system, and a leach ate collection system. Moisture, heat, nutrients, oxygen, and pH

are controlled to enhance biodegradation. The irrigation/nutrient system is buried

under the soil to pass air and nutrients either by vacuum or positive pressure. Soil

piles can be up to 20 ft high and may be covered with plastic to control runoff,

evaporation, and volatilization, and to promote solar heating. If volatile organic

compounds (VOCs) in the soil volatilize into the air stream, the air leaving the soil

may be treated to remove or destroy the VOCs before they are discharged into the

atmosphere. Treatment time is typically 3–6 months (Prasad Shukla et al. 2010;

Wu and Crapper 2009).

1.6 Organisms Involved in Bioremediation Process

Organisms that are due to be applied in bioremediation shall fulfill the following

requirements (Alexander 1994) (a) The organisms will have the effective enzymes

important in bio-remediation; (b) The organism shall be able to live and demon-

strate its bioactivity under conditions of pollution; (c) The organism must be able to

get access to the contaminant that may be not soluble in aqueous environments or

severely adsorbed to solid surfaces; (d) the substrate site of the contaminant must be

accessible for the active site of the enzyme of role in bioremediation; (e) contami-

nant and the enzymatic system must come in close contact somewhere in or out of

the cell; and finally (f) appropriately favorable environmental conditions must exist

or be provided to arise the population of the potential bioremediant.

The successful occurrence of bioremediation would be dependent on the

provision of the conditions mentioned above; however, various types of uni-/

multicellular organisms have the required potentials to be applied in bioremediation

processes. Indeed species of plants, bacteria, and fungi may be used to eliminate

pollutants. However, microorganisms are of the highest bioremediation potentials

as they are natural decomposers in different ecosystems and can easily proliferate.

Microorganisms as fungi and bacteria degrade and break down the molecules of

natural and or synthetic origins. Their high rate of generation, chemotactism,

complex enzymatic, and secretion systems make them valuable replacements for

other chemical and or physical remediation agents. A continuous study to identify

12 B.P. Sardrood et al.



and select new species and strains for bioremediation processes is highly required.

The recent discovery of a bacterial species Geobacter metallireducens is a good

proof for the necessity of such studies. The bacterium reduces and removes

radioactive uranium from drainage waters in mining operations and from

contaminated ground waters. Even dead microbial cells can be useful in bioreme-

diation technologies. The bacterium reduces and removes radioactive uranium from

drainage waters in mining operations and from contaminated ground waters. Even

dead microbial cells can be useful in bioremediation technologies. Highly toxic

heavy metals are reduced and fixed by secretions of some bacteria and algae and are

omitted from the flow of food materials in the ecosystem. Similarly, plants like

locoweed can absorb and bioaccumulate high amounts of selenium in their tissues

in a form that is not hazardous till consumption of plant tissues.

Various microorganisms like various corynebacteria, mycobacteria, pseu-

domonads, and some of yeasts have been known to act as nontoxic bioemulsifiers

and to eliminate oil slicks and petroleum pollutions through biodegradation of oil

hydrocarbons metabolized as sources of energy and carbon. Similarly, some

microorganisms have the potential to degrade and or metabolize synthetic

compounds (as remnants of pesticides in agroecosystems) collectively called as

xenobiotics. Fungi as well as some anaerobic bacteria can degrade dyes. Bioreme-

diation is a process performed through different mechanisms such as biosorption,

biodegradation, bioaccumulation, and metabolism (biotransformation, detoxifica-

tion, and . . .) of the contaminant molecules. Dependent on the type of the organism,

some terms are used to specify the bioremediation. Phytoremediation is referred to

the type of bioremediation that is relied on plants and algae as bioremediants.

Mycoremediation is a type of bioremediation where fungi serve as bioremediants.

In this book and in the following of this chapter, mycoremediation will be the only

subject of consideration.

1.7 Mycoremediation

The history of fungal bioremediation or mycoremediation goes back to only a

couple of decades ago. Despite of youth of the science of mycoremediation, this

new branch of environmental biotechnology attracts a daily increasing attention of

scientists that is because of the exceptional characteristics of mycoremediants,

themselves. Fungi are equipped with a well-developed enzymatic system that

awards them the ability to grow well on a broad range of natural as well as synthetic

substrates. Fungi produce and secrete higher rates of different extracellular

enzymes into their peripheral environment and degrade various substrates to

small molecules that can be absorbed by and metabolized in their cells.

The fact that fungi are exogastric creates an opportunity for metabolism of

new substrates such as many nonpolar, nonsoluble toxic compounds that are not

amenable to intracellular processes such as cytochrome P450 (Reddy and Mathew

2001; Levin et al. 2003).
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The evolutionary notable characteristic of fungal morphology, production, and

ramification of cylindrical strands (hyphae, in singular form: hypha) of tip growth

enables them to search for new yet noncolonized sources of material and energy and

penetrate the useable substrates. Beside its physically positive impact in the

enforced occupation of the inner parts of the penetrated substrates, the hyphal

morphology of fungi with strong flow of cytoplasmic stores of material and energy

toward hyphal tips enables fungi to get access to the inner layers of the substrates

that are not in direct contact with an aqueous environment. The diversity of the

produced and secreted enzymes besides hyphal growth of fungi gives them the

ability to overcome the problem that is often encountered with the substrate sites

covered with other molecules that inhibit fungal enzyme active site from reaching

the substrate site. Another advantage of mycoremediants is that the enzymes of

importance in bioremediation are stimulated under nutrient deficiency conditions

(Mansur et al. 2003; Aust et al. 2003). Fungal growth rate is also reasonably

enough fast for applications in bioremediation processes. In addition to the ability

to penetrate contaminating substrates, fungi are regarded superior to bacteria in that

they can grow under environmentally stressed conditions (low pH and poor nutrient

status), where bacteria are expected to be of limited bioactivity (Davis and

Westlake 1979). Fungi are able to survive, grow, and develop under toxic

conditions intolerable for most bacteria (Aust et al. 2003).

Most fungi are of short life cycles and higher rates of sporulation and therefore

can raise their populations in a rather short time span. For instance, yeast

populations in a fresh water stream increased by several orders of magnitude in

the 5 days after an oil spill (Jones 1976). Fungal degradation may proceed more

rapidly than bacterial degradation, with complexation suggested as the main

mechanism of calciummobilization (Gadd 2010). Moreover, the fungi can be easily

transported, genetically engineered, and scaled up.

All these features encourage us to consider fungi as the organisms preferred for

applications in bioremediation. Fungal bioremediation is subject to the prevailing

temperature, moisture, and soil conditions (Kearney and Wauchope 1998). The soil

pH, water availability, nutritional status, and oxygen levels vary and may not

always are optimal for the growth of white rot fungi (Philippoussis et al. 2002;

Zervakis et al. 2001) or extracellular enzyme production for pollutant transforma-

tion (Gadd 2001). Hence the kinetics of pesticides degradation in the soil is

commonly biphasic with a very rapid degradation rate in the beginning followed

by a very slow prolonged dissipation. The remaining residues are often quite

resistant to degradation (Alexander 1994). Among environmental parameters, the

availability of water in soil may be a very important factor affecting the success of

bioremediation, as water availability affects oxygen supply and thus fungal growth

and enzyme production (Philippoussis et al. 2001; Marin et al. 1998). In addition to

affecting microbial behavior, water availability affects contaminant binding and

distribution in the soil. The behavior of organic compounds in water plays a very

important role in their accessibility for microbial utilization in the environment

(Atagana et al. 2003). Other factors effective on biodegradation in soil include

chemical nature, concentration of the contaminant, soil type, amount of soil organic
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matter, and microbial community structure and activity (Schoen and Winterlin

1987). Reportedly, degradation of a diverse group of organic contaminants is

dependent on the nonspecific and non-stereoselective ligninase not specifically

induced by the pollutants and produced under substrate limiting growth conditions

(Singh and Kuhad 2000).

Many fungal genera have been identified that include species able to metabolize

hydrocarbons and some of them may be applied in bioremediation of oil-polluted

regions. These fungal genera include: Acremonium (Llanos and Kjøller 1976),

Aspergillus (Bartha and Atlas 1977; Obire et al. 2008), Aureobasidium (Bartha

and Atlas 1977), Candida (Bartha and Atlas 1977; Obire et al. 2008),

Cephalosporium (Bartha and Atlas 1977; Obire et al. 2008), Cladosporium (Walker

et al. 1973; Bartha and Atlas 1977; Obire et al. 2008), Cunninghamella (Bartha and
Atlas 1977), Fusarium (Llanos and Kjøller 1976; Obire et al. 2008), Geotrichum
(Obire et al. 2008), Gliocladium (Llanos and Kjøller 1976), Graphium (Llanos and

Kjøller 1976), Hansenula (Bartha and Atlas 1977),Mortierella (Llanos and Kjøller
1976), Mucor (Obire et al. 2008), Paecilomyces (Llanos and Kjøller 1976),

Penicillium (Llanos and Kjøller 1976; Bartha and Atlas 1977; Obire et al. 2008),

Rhodosporidium (Ahearn and Meyers 1976; Bartha and Atlas 1977), Rhodotorula
(Bartha and Atlas 1977; Obire et al. 2008), Saccharomyces (Bartha and Atlas 1977),
Sphaeropsidales (Llanos and Kjøller 1976), Sporobolomyces (Bartha and Atlas

1977), Torulopsis (Bartha and Atlas 1977), Trichoderma (Hadibarata and

Tachibana 2009; Llanos and Kjøller 1976; Obire et al. 2008), Trichosporon
(Ahearn and Meyers 1976; Bartha and Atlas 1977).

Obire (1988) found several oil-degrading aquatic yeast species belonged to

the genera Candida, Rhodotorula, Saccharomyces, and Sporobolomyces (yeasts),
and among filamentous fungi, Aspergillus niger, Aspergillus terreus, Blastomyces
sp., Botryodiplodia theobromae, Fusarium sp., Nigrospora sp., Penicillium
chrysogenum, Penicillium glabrum, Pleurofragmium sp., and Trichoderma
harzianum. Annual application of various fungicides, herbicides, and insecticides

at practical doses has a negative impact on the dynamics of nitrate nitrogen, mobile

phosphorus, and exchangeable potassium in different soil layers (Ivanov 1974). The

ecological targets include microorganisms involved in nitrogen and carbon

transformations: low application doses of some agrochemicals such as simazine,

atrazine, and zeazine decrease activity of urease and other soil enzymes and

promote the accumulation of phytotoxic bacteria and fungi (Grodnitskaya

and Sorokin 2006). Trichoderma viride degrades insecticides fenitrothion and

fenitrooxon (Baarschers and Heitland 1986), and some of its strains are able to

degrade malathion through carboxylesterase(s) (Matsumura and Boush 1966).

Mukherjee and Gopal (1996) compared the potential of two soil fungi, Aspergillus
niger and Trichoderma viride for the degradation of chlorpyrifos and found that

T. viride was more active, 95.7 of chlorpyrifos degraded in the presence of T. viride
as compared to 72.3 % in the presence of A. niger by day 14. The toxic metabolite

of chlorpyrifos, 3,5,6-trichloropyridinol was not detected during the 14-day

incubation period. Trichoderma harzianum has been found to degrade DDT,

dieldrin, endosulfan, pentachloronitrobenzene, and pentachlorophenol but not
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hexachlorocyclohexane. The fungus degrades endosulfan under various nutritional

conditions throughout its growth stages. Endosulfan sulfate (the first fungal meta-

bolite) and endosulfan diol have been detected as the major fungal metabolites of

endosulfan mainly resulted from oxidative system (Katayama and Matsumura

1993). Askar et al. (2007) have indicated the possibility of the herbicide bromoxynil

biodegradation through treatments with T. harzianum and T. viride aimed to

prohibit underground and surface water sources. The ability of Trichoderma species
to survive and grow in the agar media amended with the recommended doses of

prevalent herbicides (Pakdaman et al. 2002) seems to be very promising in the

cleanup of agroecosystems and omission of agrochemical xenobiotics that other-

wise could hurt future agricultural crops. The application of Trichoderma species

would not only clean the agricultural ecosystems but also would lead to increased

yields of future crops as the result of the biological control of plant pathogens

(Pakdaman and Goltapeh 2006) and induction of plant defensive system. Further-

more, Trichoderma can be applied in the bioremediation of soils contaminated with

toxic metabolites from toxigenic microorganisms (Grodnitskaya and Sorokin

2006). Trichoderma is regarded as a well-known biological control agent that can

be applied instead of a range of agrochemicals from fungicides, nematicides,

acaricides, and insecticides, while the fungus is also a mycoremediant. The fungus

while it enhances plant growth and development, behaves friendly to the free-living

plant growth-promoting fungi Piriformospora indica and Sebacina vermifera
(Ghahfarokhy et al. 2011) indicating the possibility of the use of all three fungi in

integrated programs for organic agricultural systems.

Lentinus edodes, the gourmet mushroom has been shown to possess the capacity

for removing more than 60 % of pentachlorophenol from soil (Pletsch et al. 1999)

and appears to remain active at lower temperatures typically encountered with

temperate soils of central and Northern Europe (Okeke et al. 1996).

A number of fungal strains (in the parenthesis) have been isolated from oil refinery

soils in Poland (IETU 1999; Ulfig et al. 1997, 1998): Aphanoascus reticulisporus (3),
Aphanoascus keratinophilum (6), Candida famata (14), Exophiala sp. (6), Fusarium
sp. (11), Geomyces pannorum (3),Geotrichum candidum (3),Microsporum gypseum
(5),Paecilomyces lilacinus Fungi (3), Penicillium sp. (4),Phialophora sp. (2),Phoma
sp. (3), Pseudallescheria boydii (4), Scopulariopsis brevicaulis (1), Trichophyton
ajelloi (15), and Trichophyton terrestre (4).

Phanerochaete chrysosporium and other white rot fungi are able to degrade a broad

range of structurally diverse xenobiotics ranging from the insecticides DDT and

lindane to wood-preserving chemicals (Kirk et al. 1992), including PCP and the

creosote components anthracene and phenanthrene, to polychlorinated biphenyls

and dioxins. Other compounds degraded by white rot fungi include 2,3,7,8-TCDD,

3,4,30,4-TCB, benzo(a)pyrene, Aroclor 1254, 4-chloroaniline, 3,4-dichloroaniline,

chloroaniline-lignin conjugates, benzo(a)pyrene, pentachlorophenol, triphenyl-

methane dyes, crystal violet, pararosaniline, cresol red, bromophenol blue,

ethyl violet, malachite green, brilliant green, 2,4,5-trichlorophenoxyacetic

acid, phenanthrene, polycyclic aromatics, anthracene, fluoranthene, benzo(b)
fluoranthene, benzo(k)fluoranthene, benzo(a)pyrene, indeno(ghi)pyrene,
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benzoperylene, azo and heterocyclic dyes, Orange II, Tropaeolin O, Congo red, Azure

B, and trinitrotoluene (Bumpus et al. 1985; Eaton 1985; Arjmand and Sandermann

1985, 1986; Haemmerli et al. 1986; Bumpus and Aust 1987; Kohler et al. 1988;

Mileski et al. 1988; Lamar et al. 1990; Lin et al. 1990; Bumpus and Brock 1988; Ryan

and Bumpus 1989; Bumpus 1989; Huttermann et al. 1989; Cripps et al. 1990;

Fernando et al. 1990). In a series of experiments, from laboratory bench-scale to

full-scale field demonstrations, Haught et al. (1995) demonstrated the potential of

Phanerochaete chrysosporium and P. sordida in PAH biodegradation. However,

white rot fungi are of no considerable ability in the removal of high-molecular weight

PAHs (five rings and above). A pilot-scale reactor system was developed that

combined extraction of PAH-contaminated soil with a physically separate fungal

bioreactor containing P. chrysosporium (May et al. 1997). The extraction of

high-molecular weight PAHs from the soil led to their further bioavailability for the

fungus and to high degradation rates. In another study, P. sordida transformed PAHs

with three and four rings in creosote-contaminated soil, but five- and six-ring PAHs

were not degraded (Davis et al. 1993).

The edible oyster mushroom Pleurotus ostreatus is able to degrade 80 % of the

total PAHs in soil within 35 days (Bogan and Lamar 1999). The comparison of the

abilities of P. ostreatus, P. chrysosporium, and Trametes versicolor in the biodeg-

radation of PAHs, and in the in solidum production of ligninolytic enzymes

revealed the superiority of P. ostreatus in the colonization of sterilized soil from

straw-grown inocula and in the degradation of anthracene, phenanthrene, and

pyrene. P. ostreatus and T. versicolor produced similar rates of manganese peroxi-

dase and laccase in soil but P. chrysosporium produced only extremely very low

rates of these enzymes (Novotny et al. 1999). In aged soil contaminated with

creosote, P. ostreatus degraded approximately 40 % of the benzo[a]pyrene present
after 12 weeks of incubation (Eggen and Majcherczyk 1998; Eggen and Sveum

1999). However, degradation severely came down to around 1 % when spent

mushroom compost containing P. ostreatus was supplemented with fish oil and

used for a soil contaminated with creosote. After 7 weeks, approximately 89 % of

the three-ring PAHs, 87 % of the four-ring PAHs, and 48 % of the five-ring PAHs

had been degraded (Eggen 1999). Removal of 86 % of the priority PAHs was

reported. However, the use of ligninolytic fungi for remediation of PAH-

contaminated soil has not always given promising results.

In a bench-scale test, P. ostreatus effectively decreased the decreasing

concentrations of the pesticide lindane from 345 to 30 mg l�1, within 45 days

(http://www.earthfax.com). Subsequent pilot-scale tests utilizing macroscale plots

with capacities of about 2 cubic yards, lindane concentrations decreased from 558

to 37 mg l�1 in 274 days. Following performance of the pilot-scale tests, approxi-

mately 750 tons of contaminated soil was excavated. The contaminated soil was

mixed with 16 % (w/w) fungal inoculum (i.e., sawdust and cottonseed hulls

thoroughly colonized with P. ostreatus). Initial lindane concentrations ranged

from 7.1 to 37 mg l�1 averaging 21 mg l�1. After 24 months of treatment, lindane

concentrations decreased by 97 % to 0.57 mg l�1, achieving the industrial treatment

goal of 4.4 mg l�1 and almost also reaching the residential risk-based concentration
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of 0.49 mg l�1 (http://www.earthfax.com). The fungal mycelium effectively

colonizes natural soil (Lang et al. 2000) and its temperature requirements are

considerably lower than that of P. chrysosporium (Hestbjerg et al. 2003), as it is

active at 8 �C (Heggen and Sveum 1999). Novotny et al. (1999) has described

P. ostreatus as a suitable candidate to apply for the clean-up of soils contaminated

with recalcitrant pollutants because of its capability of robust growth and efficient

extracellular enzyme production in soil even in the presence of pollutants such as

PAHs. They suggested that mycelial growth through contaminated soil and efficient

enzyme expression were the key to removal of the pollutant molecules from the

bulk soil. The production and activity of these enzymes in contaminated soil under

field conditions are two prerequisites for successful application of white rot fungi

in soil bioremediation (Lang et al. 1998). Beyond introduction of white rot fungi

in natural soil, enhanced degradation of pesticide molecules requires effective

growth and competition with indigenous microorganisms (Canet et al. 2001).

Therefore, P. ostreatus as a mycoremediant applicable in the chemical preparation

of pesticide-contaminated agricultural lands, and in the meantime as a reliable

fungal biological control agent for anti-nematode disinfestations (Palizi et al.

2006, 2007, 2009) can be regarded as an effective control tool that can be

practically applied instead of abrogated nematicides.

Fragoeiro (2005) studied the bioremediative potential of eight isolates

(Phanerochaete chrysosporium R170, Pleurotus ostreatus R14, Trametes
versicolor R26 and R101, Polystictus sanguineus R29, Pleurotus cystidiosus R46,
Pleurotus sajor-caju R139, Trametes socotrana R100) of white rot fungi on soil

extract agar amended individually and as a mixture with 0, 5, 10, and 20 mg l�1

simazine, trifluralin and dieldrin under two different water regimes (�0.7 and

�2.8 MPa water potential). She found that the best isolates were T. versicolor
(R26 and R101) and P. ostreatus, exhibiting good tolerance to the pesticides

and water stress and the ability to degrade lignin and produce laccase in the

presence of these pesticides. As a result, the activity of those three isolates plus

P. chrysosporium (well described for its bioremediation potential) was examined in

soil extract broth in relation to differential degradation of the pesticide mixture at

different concentrations (0–30 mg l�1) under different osmotic stress levels (�0.7

and �2.8 MPa). Enzyme production, relevant to P and N release (phosphomonoes-

terase, protease), carbon cycling (b-glucosidase, cellulase) and laccase, involved in
lignin degradation was quantified. The results suggested that the test isolates have

the ability to degrade different groups of pesticides, supported by the capacity for

expression of a range of extracellular enzymes at both �0.7 and �2.8 MPa water

potential. P. chrysosporium and T. versicolor R101, were able to degrade this

mixture of pesticides independently of laccase activity, whereas P. ostreatus and
T. versicolor R26 showed higher production of this enzyme. Complete degradation

of dieldrin and trifluralin was observed, while about 80 % of the simazine was

degraded regardless of osmotic stress treatment in a nutritionally poor soil extract

broth. The results with toxicity test (Toxalert®10), suggested the pesticides were

metabolized. Therefore the capacity for the degradation of high concentrations of

mixtures of pesticides and the production of a range of enzymes, even under
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osmotic stress conditions suggested potential applications in soil. Subsequently,

microcosm studies of soil artificially contaminated with a mixture of pesticides

(simazine, trifluralin, and dieldrin, 5 and 10 mg kg�1 soil) inoculated with

P. ostreatus, T. versicolor R26 and P. chrysosporium and grown on wood chips

and spent mushroom compost (SMC) were examined for biodegradation capacity at

15 �C. The three test isolates successfully grew and produced extracellular enzymes

in soil. Respiratory activity was enhanced in soil inoculated with the test isolates

and was generally higher in the presence of the pesticide mixture, which suggested

increased mineralization. Cellulase and dehydrogenase were also higher in

inoculated soil than in the control especially after 12 weeks incubation. Laccase

was produced at very high levels, only when T. versicolor R26 and P. ostreatus
were present. The greatest degradation for the three pesticides was achieved by

T. versicolor R26, after 6 weeks with degradation rates for simazine, trifluralin, and

dieldrin 46, 57, and 51 % higher than in natural soil and by P. chrysosporium, after
12 weeks, with degradation rates 58, 74, and 70 % higher than the control. The

amendment of soil with SMC also improved pesticide degradation (17, 49, and

76 % increase in degradation of simazine, trifluralin, and dieldrin compared with

the control).

The bracket-like polypore fungus, Ganoderma australe can also degrade lindane
in liquid agitated cultures (Dritsa et al. 2005). The enzymes produced by these fungi

are lignin peroxidase, manganese peroxidase, and laccases, which are frequently

referred to as lignin-modifying enzymes (LMEs), and are highly induced in the

presence of wheat bran. Rigas et al. (2007) studied the bioremediation of a soil

contaminated by lindane utilizing the fungus Ganoderma australe via response

surface methodology and identified and evaluated five parameters of determinative

impacts on the bioremediation process effectiveness of the solid-state system and

concluded that the most important response for bioremediation purposes was

biodegradation/biomass maximized at the factors levels: temperature 17.3 �C,
moisture 58 %, straw content 45 %, lindane content 13 ppm, and nitrogen

content 8.2 ppm.

The degradation of simazine by Penicillium steckii in soil samples from areas of

the herbicide application has been reported (Kodama et al. 2001).

Species from the genera Aspergillus, Alternaria, and Cladosporium are able to

colonize samples of concrete applied as radioactive waste barrier in the Chernobyl

reactor, can leach iron, aluminum, silicon, and calcium, and re-precipitate silicon

and calcium oxalate in their microenvironments (Fomina et al. 2007). A study

concerning the metabolism of polyphosphate in Trichoderma harzianum, a

biocontrol agent with innate resistance against most chemicals used in agriculture,

including metals, when grown in the presence of different concentrations of

cadmium, has indicated the biomass production is affected by the concentration

of metal used. Control cultures were able to accumulate polyphosphate under

the conditions used. Moreover, the presence of cadmium induced a reduction

in polyphosphate content related to the concentration used. The morphological/

ultrastructural aspects have been characterized by using optical and scanning

electron microscopy and were affected by the heavy metal presence and
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concentration. The efficiency of cadmium removal has revealed the potential of

Trichoderma harzianum for use in remediation. The data indicate the potential for

polyphosphate accumulation by the fungus, as well as its degradation related to

tolerance/survival in the presence of cadmium ions (De Freitas et al. 2011).

Fungi not only lonely but also in association with other organisms (algae,

bacteria, plants) can exert their positive bioremediative impacts on the environ-

ment. As an example, mycorrhizal associations may be applied in metal cleanup in

the general area of phytoremediation (Van der Lelie et al. 2001; Rosen et al. 2005;

Gohre and Paszkowski 2006). Mycorrhizas can increase phytoextraction directly or

indirectly by increasing plant root growth and development. Plants inoculated with

mycorrhizas isolated from metal-contaminated environments indicate increased

phytoaccumulation of metals. However, many complicating determinant factors

such as metal tolerance of fungal strains, their mycorrhizal status, and the

nutritional status of polluted soils affect the final output of mycorrhization (Meharg

2003). Mycorrhizas decrease the absorption of metals by plants (Tullio et al. 2003).

Arbuscular mycorrhizas (AM) reduce the transfer of heavy metals like zinc to

shoots of their host plants in moderately zinc-contaminated soils, where metals

are bound and trapped in mycorrhizal structures and immobilized in the mycorrhi-

zosphere (Christie et al. 2004). However, such mutual relationships between

mycobiont and phytobiont in metal-contaminated regions are not always of

beneficial consequences and dependant on the local conditions may lead to neutral

and or even detrimental results (Meharg and Cairney 2000). A protective metal-

trapping effect of ectomycorrhizal fungi has been postulated (Leyval et al. 1997).

A copper-adapted Suillus luteus isolate has been shown to protect pine seedlings

against elevated toxic concentrations of copper ions. Such a metal-adapted

Suillus–Pinus combination would expectedly be useful in large-scale reclamation

under phytotoxic conditions enfaced in metal-contaminated and industrial sites

(Adriaensen et al. 2005). Persistent fixation of Cd (II) and Pb (II) through the

formation of an efficient ectomycorrhizal barrier has been indicated to reduce the

translocation of the heavy metals into tissues of birch trees (Krupa and Kozdroj

2004). Such findings may be of practical applications in soil mycoremediation

and re-vegetation (Gadd 2010). Natural soil organic compounds such as the

insoluble glycoprotein glomalin abundantly produced on the hyphae of arbuscular

mycorrhizal fungi can sequester and stabilize potentially toxic metals such as

copper, cadmium, lead, and manganese and therefore, may be regarded as a useful

biostabilizer in mycoremediation of heavy metal contaminated regions (Gonzalez-

Chavez et al. 2004). Increased uranium concentration and content in roots and

decreased concentrations of uranium in shoots have been reported as the effect of

Glomus intraradices. AM fungi and root hairs improve not only phosphorus

acquisition but also root absorption of uranium, and the mycorrhiza generally

decreases root to shoot transfer of uranium (Rufyikiri et al. 2004; Chen et al.

2005a, b). With ericaceous mycorrhizas in Calluna, Erica, and Vaccinium spp.

grown on Cu- and Zn-contaminated and/or naturally metalliferous soils, the fungi

clearly prevent upward transfer of metals to plant shoots (Bradley et al. 1981,

1982). As ericaceous plants commonly grow on nutrient-deficient soils, the
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mycorrhiza may additionally benefit these plants through enhanced absorption of

soil nutrients (Smith and Read 1997). Thus, development of stress-tolerant

plant–mycorrhizal associations may be a promising strategy for phytoremediation

and soil amelioration (Schutzendubel and Polle 2002). The efficiency of such

symbiotic associations in ericaceous plants is so high that these plants can naturally

colonize harshly polluted areas (Cairney and Meharg 2003). The ectomycorrhizal

fungi Suillus granulatus and Pisolithus tinctorius can promote the release of

cadmium and phosphorus from rock phosphate (Leyval and Joner 2001) while the

ericoid mycorrhizal fungus Oidiodendron maius can solubilize zinc oxide and

phosphate (Martino et al. 2003). Experimental studies on ericoid mycorrhizal and

ectomycorrhizal fungi have showed that many species are able to solubilize zinc,

cadmium, copper phosphates, and lead chlorophosphate (pyromorphite) and release

phosphate and metals (Fomina et al. 2004). However, it has been demonstrated that

mycorrhization is sometimes of neutral effects, for example non-mycorrhizal Pinus
sylvestris and pines infected with the ectomycorrhizal Paxillus involutus are able to
enhance zinc phosphate dissolution, resist to metal toxicity, and acquire the

mobilized phosphorus, increase the amount of phosphorus in shoots while zinc

phosphate is present in the growth matrix (Fomina et al. 2006).

Synergistic effects have been recorded between fungi and bacteria during

bioremediation processes, for example, besides direct degradation of hydrocarbons,

fungal mycelia can penetrate oil and increase the surface area available for

biodegradation and bacterial attack. Also, it has been reported that despite of initial

degradation of a synthetic petroleum mixture by bacteria, the rate of biodegradation

increased up to twice as the result of the synchronous activity of both bacteria and

fungi. Martens and Zadrazil (1998) screened a variety of wood-rotting fungi for

their ability to degrade PAHs in a bioreactor containing straw and soil. A higher

degradation rate (40–58 % of the applied [14C]-PAH as 14CO2) was observed in

microcosms containing fungal strains that did not colonize the soil than in those

inoculated with the soil-colonizing fungi. An explanation for the difference was that

the indigenous soil bacteria were stimulated by compounds produced during the

lysis of straw by non-colonizing fungi, which provided carbon sources to enhance

bacterial growth and PAH degradation.

1.8 Conclusion and Perspective

With the increasing population of the world, the science and technology of

bioremediation is going to become a necessity of today modern life. Fortunately

considering the youth of this interdisciplinary science, there have been significant

progresses in the field. The diversity of bioremediants, the multiplicity and diversity

of available techniques, the variation of the substrates used by bioremediants

in different types of aqueous and terrestrial habitats all seem as good signs of this

well-promising science and technology. Therefore, bioremediation will expectedly

be of rising number of applications in different environments from battle fields to
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rural, urban, and industrial areas. Fungi as a huge group of unicellular–filamentous

microorganisms of high rate of biodiversity being isolated from different

environments are rightfully considered as a potent group of bioremediants and

with an eye to the recent advances in genetic and metabolic engineering, it seems

that fungi will have much more share in the bioremediation of pollutants and

wastes.

Based on what mentioned above, it is well expectable that bioremediation and, in

a narrower sense, mycoremediation would expand to more specific scientific

branches in near future in order to be able to quickly respond to the challenges of

current and future world.

References

Adriaensen K, Vralstad T, Noben JP, Vangronsveld J, Colpaert JV (2005) Copper-adapted Suillus
luteus, a symbiotic solution for pines colonizing Cu mine spoils. Appl Environ Microbiol

71:7279–7284

Ahearn DG, Meyers SP (1976) Fungal degradation of oil in the marine environment. In: Gareth

Jones EB (ed) Recent advances in aquatic mycology. Elek, London, pp 127–130

Alexander M (1994) Biodegradation and bioremediation. Academic, Boston, MA

Antizar-Ladislao B, Beck AJ, Spanova K, Lopez-Real J, Russell NJ (2007) The influence of

different temperature programmes on the bioremediation of polycyclic aromatic hydrocarbons

(PAHs) in a coal-tar contaminated soil by in-vessel composting. J Hazard Mater 14:340–347

Antizar-Ladislao B, Spanova K, Beck AJ, Russell NJ (2008) Microbial community structure

changes during bioremediation of PAHs in an aged coal-tar contaminated soil by in-vessel

composting. Int Biodeter Biodegr 61:357–364

Arjmand M, Sandermann H (1985) Mineralization of chloroaniline/lignin conjugates and of free

chloroanilines by the white rot fungus Phanerochaete chrysosporium. J Agric Food Chem

33:1055–1060

Arjmand M, Sandermann H (1986) Plant biochemistry of xenobiotics. Mineralization of

chloroaniline/lignin metabolites from wheat by the white rot fungus, Phanerochaete

chrysosporium. Zeitschrift der Naturforschung 41c:206–214

Askar AI, Ibrahim GH, Osman KA (2007) Biodegradation kinetics of bromoxynil as a pollution

control technology. Egypt J Aquat Res 33:111–121

Atagana H, Haynes R, Wallis F (2003) The use of surfactants as possible enhancers in bioremedi-

ation of creosote contaminated soil. Water Air Soil Pollut 142:137–149

Aust SD, Swaner PR, Stahl JD (2003) Detoxification and metabolism of chemicals by white-rot

fungi. In: Zhu JJPC, Aust SD, Lemley Gan AT (eds) Pesticide decontamination and detoxifi-

cation. Oxford University Press, Washington, D.C, pp 3–14

Baarschers WH, Heitland HS (1986) Biodegradation of fenitrothion and fenitrooxon by the fungus

Trichoderma viride. J Agric Food Chem 34:707–709

Baggott J (1993) Biodegradable lubricants. A paper presented at the Institute of Petroleum

Symposium: “Life cycle analysis and eco-assessment in the oil industry,” Nov. 1992. Shell,

England

Baker K, Herson D (1994) Bioremediation. McGraw-Hill, New York

Bartha R, Atlas RM (1977) The microbiology of aquatic oil spills. Adv Appl Microbiol

22:225–266

Bogan BW, Lamar RT (1999) Surfactant enhancement of white-rot fungal PAH soil remediation.

In: Leason A, Allman BC (eds) Phytoremediation and innovative strategies for specialized

22 B.P. Sardrood et al.



remedial applications. The fifth international in situ and on-site bioremediation symposium,

San Diego, CA, 19–22 Apr 1999. Battelle, Columbus, OH, pp 81–86

Bradley R, Burt AJ, Read DJ (1981) Mycorrhizal infection and resistance to heavy metals. Nature

292:335–337

Bradley B, Burt AJ, Read DJ (1982) The biology of mycorrhiza in the Ericaceae. VIII. The role of

mycorrhizal infection in heavy metal resistance. New Phytol 91:197–209

Bumpus JA (1989) Biodegradation of polycyclic aromatic hydrocarbons by Phanerochaete
chrysosporium. Appl Environ Microbiol 55:154–158

Bumpus JA, Aust SD (1987) Biodegradation of environmental pollutants by the white rot fungus

Phanerochaete chrysosporium. Bioessays 6:166–170
Bumpus JA, Brock BJ (1988) Biodegradation of crystal violet by the white rot fungus,

Phanerochaete chrysosporium. Appl Environ Microbiol 54:1143–1150

Bumpus JA, Tien M, Wright D, Aust SD (1985) Oxidation of persistent environmental pollutants

by a white rot fungus. Science 228:1434–1436

Cairney JWG, Meharg AA (2003) Ericoid mycorrhiza: a partnership that exploits harsh edaphic

conditions. Eur J Soil Sci 54:735–740

Canet R, Birnstingl J, Malcolm D, Lopez-Real J, Beck A (2001) Biodegradation of polycyclic

aromatic hydrocarbons (PAHs) by native microflora and combinations of white rot fungi in a

coal-tar contaminated soil. Bioresour Technol 76:113–117

Chaudhry GR (1994) Biological degradation and bioremediation of toxic chemicals. Dioscorides,

Portland, OR, 515 p

Chen BD, Jakobsen I, Roos P, Zhu YG (2005a) Effects of the mycorrhizal fungus Glomus
intraradices on uranium uptake and accumulation by Medicago truncatula L. from uranium-

contaminated soil. Plant Soil 275:349–359

Chen BD, Zhu YG, Zhang XH, Jakobsen I (2005b) The influence of mycorrhiza on uranium and

phosphorus uptake by barley plants from a field-contaminated soil. Environ Sci Pollut Res Int

12:325–331

Christie P, Li XL, Chen BD (2004) Arbuscular mycorrhiza can depress translocation of zinc to

shoots of host plants in soils moderately polluted with zinc. Plant Soil 261:209–217

Cripps C, Bumpus JA, Aust SD (1990) Biodegradation of azo and heterocyclic dyes by

Phanerochaete chrysosporium. Appl Environ Microbiol 56:1114–1116

Davis JB, Westlake DWS (1979) Crude oil utilization by fungi. Can J Microbiol 25:146–156

Davis MW, Glaser JA, Evans JW, Lamar RT (1993) Field evaluation of the lignin-degrading

fungus Phanerochaete sordida to treat creosote-contaminated soil. Environ Sci Technol

27:2572–2576

De Freitas AL, de Moura GF, de Lima MAB, de Souza PM, da Silva CAA, de Campos GMT, do

Nascimento AE (2011) Role of the morphology and polyphosphate in Trichoderma harzianum
related to cadmium removal. Molecules 16:2486–2500
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Chapter 2

The Bioremediation Potential of Different

Ecophysiological Groups of Fungi

Antonella Anastasi, Valeria Tigini, and Giovanna Cristina Varese

2.1 Introduction on the Different Ecophysiological Groups of

Fungi and on Their Potential in the Bioremediation of Soil

Fungi are unique organisms due to their morphological, physiological, and genetic

features; they are ubiquitous, able to colonize all matrices (soil, water, air) in

natural environments, in which they play key roles in maintaining the ecosystems

equilibrium. If we consider the different matrices, the air is an important vehicle for

the dissemination of fungal propagules (conidia, spores, hyphae), which represent

the main component of the bioaerosol. The aquatic environment, both marine and

freshwater, is steadily colonized by fungi, too; however, the main habitat of these

organisms is soil. Within this complex and heterogeneous matrix, fungi are found in

a variety of ecological niches, from the arctic tundra to the desert sand dunes, where

they play key roles for the maintenance of ecosystems.

The tremendous evolutionary success of this heterogeneous group of organisms

is evidenced by the high number of species, the diversity of niches, and habitats

occupied, the ability to establish symbiosis (both mutualistic and pathosistic) with

other organisms, mainly plants and animals, and to survive under restrictive

conditions for most other organisms. In terms of biodiversity, fungi are probably

the second most common group of organisms on our planet, with an estimated 1.5

million species, second only to arthropods. However, this enormous biodiversity is

still largely unexplored, as currently described species are about 100,000.

All fungi are heterotrophic and obtain the organic substance necessary for

their growth through three different ways: saprophytism, parasitism (pathosistic

symbiosis), and mutualistic symbiosis. Saprotrophic fungi play a key role in the

decomposition of organic matter and, therefore, in the circulation of the elements,
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both in natural and anthropic environments. However, many other fungi are

biotrophs, and in this role a number of successful groups form symbiotic

associations with plants (mycorrhizae), algae, animals (especially arthropods),

and prokaryotes. Besides, fungi are among the most important plant pathogens,

including rusts and smuts, and can be parasites of animals, humans included.

Virtually all natural organic compounds can be degraded by one or more fungal

species thanks to the production of a variety of enzymes such as amylases, lipases,

and proteases that allow them to use substrates as starches, fats, and proteins. A more

limited number of species can use pectines, cellulose, and hemicellulose as carbon

sources. Finally, some fungi are the main degraders of natural polymers particularly

complex and resistant to microbial attack, such as keratin, chitin, and lignin. Due to

the high nonspecificity of the enzymes involved in the degradation of lignin,

wood fungi can attack numerous aromatic and aliphatic xenobiotic compounds,

including environmental pollutants such as polycyclic aromatic hydrocarbons

(PAHs), polychlorinated biphenyls (PCBs), pesticides, and herbicides. These

capabilities make them organisms of great interest for potential use in environmental

bioremediation.

Also symbiotic fungi can be candidates for use in remediation of soils. Mycor-

rhizal fungi occupy the structural and functional interface between decomposition

and primary production and play a key role in many soil ecosystems. They mobilize

nutrients from organic sources and appear to possess well-developed saprotrophic

capabilities (i.e., oxidative and hydrolytic enzymes).

Along with the ability to degrade a wide range of pollutants, microorganisms

useful in soil bioremediation should possess several other features, including the

capability to extensively colonize the soil matrix, resist at high concentrations of toxic

compounds, survive over a long period in restrictive conditions, and compete with the

other components of the soil microbiota. In the following parts of the chapter, we will

explore the specific characteristics of different groups of fungi (Fig. 2.1), with regard

to the main aspects that make an organism a useful bioremediator. In particular, we

will focus on saprotrophs as wood fungi that are known for over 50 years for their

ability to degrade a wide range of pollutants and for their potential use as

bioremediators. Moreover, thanks to their better adaptability to soil, the role of litter

and soil fungi will also be highlighted. Besides these ecophysiological groups of

saprotrophs, we will also consider the potential use as bioremediators of mycorrhizal

fungi that have the advantage of being distributed throughout the soil by roots and

provided with a long-term supply of photosynthetic carbon from their hosts.

2.2 Wood Degrading Fungi, Their Main Ecophysiological

Features and Their Potential in Soil Bioremediation

Wood is composed up to 30 % of lignin, a complex phenyl propane polymer that

coats cell wall polysaccharides and chemically combines with them conferring

resistance against microbial degradation. Wood degrading fungi are the only
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organisms able to completely mineralize lignin and this degradation is probably the

most important process for carbon recycling in nature. According to the appearance

of the rotten wood, ligninolytic fungi are distinguished as white (WRF), brown

(BRF), and soft-rot (SRF) fungi. In the following paragraphs we will focus on the

first two groups only.

2.2.1 White-Rot Fungi

Fungi causing white rot are represented in all the main groups of the Basidiomycota

(Agaricomycotina), and in some of the Ascomycota, namely the Xylariaceae. In

common usage, the term “white rot” has been traditionally used to describe forms of

wood decay in which the wood assumes a bleached appearance, with a spongy,

stringy, or laminated structure, and where lignin as well as cellulose and hemicellu-

lose is broken down (Anastasi et al. 2009a). WRF, thanks to their extracellular,

oxidative enzymes, are able to completely mineralize lignin and carbohydrate

components of wood to CO2 and H2O. Interestingly, these fungi do not use lignin

as a carbon source for growth; instead, they degrade lignin to obtain the cellulose that

is toward the interior of the wood fiber.

Fig. 2.1 Different ecophysiological groups of fungi potentially involved in bioremediation
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WRF can be used to detoxify or remove various aromatic pollutants and

xenobiotics found in contaminated soil (Schauer and Borriss 2004). Actually,

their ligninolytic enzymes are nonspecific, non-stereoselective, and effective

against a broad spectrum of aromatic compounds. The first observation of aromatic

pollutants breakdown by WRF dates back 50 years (Lyr 1963), and the connection

of this process with ligninolytic metabolism was observed since 1980s in

Phanerochaete chrysosporium, the model fungus for ligninolysis (Bumpus et al.

1985). From that time, it was shown that an impressive array of organopollutants

can be degraded by ligninolytic fungi, including PAHs, PCBs, nitroaromatics,

pesticides, herbicides, dyes, etc. (Rabinovich et al. 2004). The potential of WRF

to degrade persistent organic pollutants (POPs) in both artificially spiked and

industrially contaminated soils has been widely demonstrated, and dense mycelial

growth coupled with significant enzyme production are considered key aspects for

effective bioremediation (Borràs et al. 2010).

2.2.2 Enzymatic Mechanisms of Degradation of Organopollutants
in White-Rot Fungi

WRF produce a battery of lignin degrading enzymes that catalyze oxidation of

xenobiotics in addition to their ability to degrade lignin. They consist of

peroxidases, laccases, and other enzymes involved in the formation of radicals,

ROS and H2O2, that cleave the carbon–carbon and carbon–oxygen bonds of

the lignin/xenobiotic by means of a free radical mechanism. This free radical

mechanism provides the basis for the nonspecific nature of degradation of a variety

of structurally diverse pollutants, obviating the need for these organisms to be

adapted to the chemical being degraded (Reddy and Mathew 2001).

2.2.2.1 Peroxidases

Fungal heme-containing peroxidases, i.e., lignin (LiP), manganese (MnP), and

versatile (VP) peroxidases, use hydrogen peroxide to promote the one-electron

oxidation of chemicals to free radicals; they are involved in the biodegradation of

lignocelluloses and participate to the bioconversion of diverse recalcitrant

compounds. The main features of fungal heme-containing peroxidases are shown

in Table 2.1. The catalytic cycle is similar in all peroxidases. In the resting state, the

heme iron is in the ferric state; hydrogen peroxide oxidizes the ferric enzyme by two

electrons forming a ferryl (Fe IV) p-porphyrin cation radical, named compound I.

A chemical can then be oxidized by one electron to a radical, and compound I can be

reduced by one electron to compound II; a subsequent oxidation of another molecule

by compound II returns the enzyme to its ferric resting state (Vidossich et al. 2010).
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Mainly two aspects in the molecular structure of lignin peroxidases provide them

their unique catalytic properties: a heme environment, conferring high redox

potential to the oxo-ferryl complex, and the existence of specific binding sites for

oxidation of their characteristic substrates, including non-phenolic aromatics in the

cases of LiP, Mn2+ in the case of MnP, and both types of compounds in the case of

VP (Martı́nez et al. 2005). Concerning the heme environment, an interesting aspect

of the molecular structure of these enzymes is the position of the so-called proximal

histidine, the Ne of the side-chain of a histidine residue. Peroxidases differ mainly

in the position of this iron ligand; in ligninolytic peroxidases it is displaced away

from the heme iron, increasing its electron deficiency and increasing the redox

potential of the oxo-ferryl complex (Martı́nez et al. 2005).

The aromatic substrates binding site and the Mn binding site were first identified in

LiP and MnP and then confirmed in VP, whose hybrid molecular architecture

combines the properties of LiP and MnP. Mn binding site (2 Glu, 1 Asp) is situated

near the cofactor and this enables direct electron transfer to the heme. By contrast,

veratryl alcohol and other LiP/VP aromatic substrates, that cannot penetrate inside the

protein to transfer electrons directly to the cofactor, are oxidized at the enzyme surface

by a catalytically active tryptophan (Trp-164) and electrons are transferred to the heme

by a protein pathway (long-range electron transfer, LRET) (Martı́nez et al. 2005).

Besides these “classic” fungal peroxidases, most recently several isoforms of a

novel heme-thiolate peroxidase have been characterized from the wood-colonizing

basidiomycete Agrocybe aegerita, which later turned out to be a true peroxygenase,
efficiently transferring oxygen from peroxide to various organic substrates

including aromatic, heterocyclic, and aliphatic compounds (Kinne et al. 2010).

Due to their unique ability to epoxidize and hydroxylate aromatic rings by means

of hydrogen peroxide, these enzymes are nowadays mostly referred to as aromatic

peroxygenases (Hofrichter et al. 2010). The broad substrate range and ubiquitous

distribution of these enzymes may indicate an important environmental role for

Table 2.1 Properties of fungal heme peroxidases

E.C.

Molecular

weight

(kDa) pI Substrates

Redox

potential

(V)

LiP 1.11.1.14 35–48 3.1–4.7 Non-phenolic (veratryl alcohol)

and phenolic aromatic

compounds,

organopollutants

(PAHs, chlorophenols,

nitroaromatics, dyes,

and explosives)

1.4–1.5

MnP 1.11.1.13 38–50 2.9–7.1 Manganese, phenols, and

non-phenolic lignin

moieties

via lipid radicals

1.0–1.2

VP 1.11.1.16 43–45 3.4–3.9 Non-phenolic, phenolic, and

dye substrates, manganese

1.4–1.5
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them in the oxidation of both natural and anthropogenic aromatics, as recently

demonstrated for toluene (Kinne et al. 2010).

Dye peroxidase (DyPs) are a new superfamily of heme peroxidases, found in

fungi and bacteria, that show a little sequence similarity to classical fungal

peroxidases and lack the typical heme-binding region (Hofrichter et al. 2010).

These enzymes oxidize various dyes, in particular anthraquinone derivatives,

but no report is found on their potential in bioremediation of soil contaminants.

2.2.2.2 Laccases

Laccase activity has been demonstrated in many fungal species belonging to

Ascomycota and Basidiomycota and in particular in wood rotting fungi; almost all

species of WRF were reported to produce laccase to various degrees (Baldrian 2006).

Laccases (E.C. 1.10.3.2) are blue copper oxidoreductases, typically with molecular

masses of approximately 60–70 kDa and pI of 4, able to catalyze the one-electron

oxidation of polyphenols, methoxy-substituted phenols, aromatic diamines, and other

compounds using O2 as oxidant (Canas and Camarero 2010). Recently laccases have

attracted attention for their ability to degrade recalcitrant pollutants, as pyrene

(Anastasi et al. 2009b), benzo[a]pyrene (Li et al. 2010), and chrysene (Nikiforova

et al. 2010).

Laccases contain four copper atoms in their active site and catalyze a one-

electron oxidation concomitantly with the four-electron reduction of molecular

oxygen to water; after four electrons have been received by a laccase molecule,

the enzyme reduces O2 to H2O, returning to the native state (Lundell et al. 2010).

The fact that laccases can use O2 as the final electron acceptor represents a

considerable advantage for industrial and environmental applications compared

with peroxidases, which require a continuous supply of H2O2. The possibility of

increasing the production of laccase by the addition of inducers to fungal cultures

and a relatively simple purification process are other advantages (Baldrian 2006).

Taking into account that the advantage of peroxidases is their higher redox poten-

tial, to engineer the active site of laccases to obtain high redox potential variants

would be of considerable biotechnological interest (Martı́nez et al. 2005).

Reactions catalyzed by laccases in technological or synthetic applications can be

of two types. In the simplest case, the substrate molecules are oxidized to the

corresponding radicals by direct interaction with the catalytic core of the enzyme.

Frequently, however, the substrates cannot be oxidized directly by the enzyme,

either because they are too large to penetrate into the enzyme active site or because

they have a particular high redox potential (Riva 2006). By mimicking nature, it is

possible to overcome this limitation with the addition of so-called “chemical

mediators,” which are suitable compounds that act as intermediate substrates for

the laccase, whose oxidized radical forms are able to interact with the bulky or high

redox-potential substrates targets (Riva 2006). Typical mediators are ABTS,

1-hydroxybenzotriazole, and violuric acid, though several other compounds

may also be used. The use of eco-friendly mediators easily available from
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lignocellulose, could contribute to the environmental application of laccases (Canas

and Camarero 2010).

2.2.3 Brown-Rot Fungi

Brown rot is a kind of wood decay caused exclusively by Basidiomycota, namely

Agaricomycetes. This class encompasses many orders and families, though the

overwhelming majority of the BRF belongs to the Agaricales, Hymenochaetales,

Gloeophyllales, and Polyporales. Interestingly, only 6% of all the known wood decay

fungi are now known to cause a brown rot and are almost exclusively associated with

conifers (Hibbett and Donoghue 2001). BRF degrade cellulose and hemicellulose

present in wood after only a partial modification of lignin (demethylation, partial

oxidation, and depolymerization) by a nonenzymatic Fenton-type catalytic system.

Because of the preferential degradation of polymers, the decayed wood loses its

inherent strength and acquires a brittle consistency, breaks up like cubes, and finally

crumbles into powder. The modified lignin remaining gives the decayed wood its

characteristic color (dark brown) and consistency.

2.2.4 Mechanisms of Degradation of Pollutants in Brown-Rot
Fungi

In 1974, Koenigs hypothesized that BRF use, unlike WRF, a Fenton-type catalytic

system, based on free-radical reactions initiated by hydroxyl radicals. These

hydroxyl radicals are formed according the following formula:

H2O2 þ Fe2þ ! OH� þ OH� þ Fe3þ

The pathways leading to H2O2 and Fe2þ generation remain not fully understood.

Kremer and Wood (1992) supposed the production of Fenton reagents by cellobiose

oxidase: this enzyme reduces efficiently many Fe3þ complexes. Hyde and Wood

(1997) proposed the production of Fenton reagents by the BRF C. puteana, involving
the cellobiose dehydrogenase. The enzyme purified from this fungus has been shown

to couple oxidation of cellodextrins to conversion of Fe3þ to Fe2þ.
BRF are today studied for the metal removal from wood wastes treated with

chromated copper arsenate due to their copper tolerance and production of high levels

of oxalic acid (Kim et al. 2009). However, they are also known for the degradation

activity against organic contaminants. Martens et al. (1996) reported the degradation

byGloeophyllum striatum of a fluoroquinolone antibacterial drug (enrofloxacin); this

and other similar antibiotics may find a way to contaminate soils, particularly in areas

of large animal operations. Later, Schlosser et al. (2000) investigated the degradation

pathway of 2,4-dichlorophenol by G. striatum; the authors found that identical
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metabolites to those formed in vitro with Fenton’s reagent were produced by the

fungal degradation. Andersson et al. (2003) made a comparison in the treatment of a

PAHs contaminated soil between theWRF Pleurotus ostreatus and the BRF Antrodia
vaillantii: the BRF resulted in a better degradation than P. ostreatus, without metab-

olite accumulation and without a negative effect on the indigenous soil

microorganisms. More recently, 12 species of BRF have been investigated for their

ability to degrade 1,1,1-trichloro-2,2-bis (4-chlorophenyl) ethane (DDT);

Gloeophyllum trabeum, Fomitopsis pinicola, and Daedalea dickinsii showed a high

ability to degrade DDT via a chemical Fenton reaction (Purnomo et al. 2008).

Apart from the degradation of the pollutants, one important aspect for bioremedi-

ation efficacy is the ability of the inoculated fungi to colonize the soil matrix. In 2001,

Andersson and collaborators showed that the BRF A. vaillantii was able to efficiently
colonize contaminated soil. These findings about BRF may be important for fungal

soil bioremediation technology and should be emphasized in further studies.

2.2.5 Applications of Wood Degrading Fungi in Bioremediation

There has been a plethora of review articles with respect to mechanisms of degradation

of POPs bywood fungi, mainly focusing on the speciesPhanerochaete chrysosporium,
Pleurotus ostreatus, Trametes versicolor, Bjerkandera adusta, Lentinula edodes, and
Irpex lacteus (Singh 2006). Along with their ability to degrade POPs, these fungi

possess a number of advantages not associated with other bioremediation systems.

Because key components of the lignin-degrading system are extracellular, the fungi

can degrade very insoluble chemicals such as lignin or many of the hazardous

environmental pollutants. Moreover, the extracellular system enables fungi to tolerate

considerably high concentrations of toxic pollutants (Reddy and Mathew 2001).

However, up to now most of the research on fungal bioremediation has been

conducted on laboratory scale, so further work is required to study these capacities

taking into account the natural variables and their applicability in large-scale

contaminated fields (Pinedo-Rivilla et al. 2009).

Since soil is not their natural environment, wood fungi application in soil biore-

mediation is necessarily by means of a bioaugmentation. Bioaugmentation has been

proven successful in cleaning up of sites contaminated with several organic

compounds but still faces many environmental problems. One of the most difficult

issues is survival of strains introduced in the non-native soil environment.

Many studies have shown that both abiotic and biotic factors influence the

growth of wood fungi in soil, and hence the effectiveness of bioaugmentation

(Andersson et al. 2003; Baldrian 2008). Soils generally contain less nutrients

than wood; hence the addition of C and N sources, preferably in the form of

lignocellulose, are necessary (Baldrian 2008). Corn cobs, wheat, straw, wood

chips, and bark have been frequently used for introduction of pre-grown wood

fungi into soil, acting both as carriers and as nutrient sources (Covino et al. 2010).

Generally, the larger the inoculum biomass, the faster and more successful is the

establishment of the fungus in the soil.
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The filamentous growth of basidiomycetes forming mycelial cords is a signifi-

cant advantage for soil colonization, in which nutrient resources distribution is not

homogeneous (Baldrian 2008). Actually, mycelial cords act as roads for nutrient

transport, allowing the proliferation through patches low in nutrients and creating a

network interconnecting the resource units (Baldrian 2008). Moreover, the hyphal

growth mode of fungi makes them able to extensively penetrate into soil and serve,

at the same time, as dispersion vectors of indigenous pollutant-degrading bacteria

(Kohlmeier et al. 2005).

Temperature has a considerable effect on the ability of wood fungi to grow and

degrade organopollutants, and, in general, most contaminated sites will not be at the

optimum temperature for bioremediation during every season of the year. High

temperatures generally increase the growth rate, and consequently the metabolic

activity, and very slow or no growth is detected at temperatures below 10 �C
(Baldrian 2008).

Fungal colonization is also affected by soil texture, pH, and presence of

inhibitory compounds. Overall it is clear that, however efficient a fungal soil

inoculant may be in transforming POPs in the laboratory, the chemical and physical

restrictions encountered in the heterogenous soil environment will prevent

complete pollutant transformation. Long periods of contact of POPs with soil

constituents allow more time for sorption reactions to occur, consequently reducing

pollutants bioavailability (Singleton 2001). Recently, Covino et al. (2010)

demonstrated that degradation of PAHs by Lentinus tigrinus and Irpex
lacteus was negatively correlated with their organic sorption coefficients and

hydrophobicity. By physical and chemical (i.e., surfactant addition) means it is

possible to increase POPs bioavailability; however, the extra cost involved must be

balanced with the level of clean-up required (Singleton 2001).

Along with physical and chemical factors, another important aspect affecting the

colonization of soil by ligninolytic fungi is the presence of indigenous soil

organisms. Actually, when fungi enter nonsterile soils, they must compete with

the indigenous soil microbiota for nutrients and protect the mycelium against

microbial attack (McErlen et al. 2006). Wood fungal species differ significantly

in their ability to colonize nonsterile soil, and they can be classified into strong

competitors (i.e., Pleurotus spp., Phanerochaete spp., Trametes versicolor) and

weak competitors (Ganoderma applanatum, Dichomitus squalens) (Baldrian

2008); however, it should be considered that colonization ability may vary even

within a single species and is partly dependent on soil type (Baldrian 2008).

Interactions between wood fungi and soil bacteria are mostly combative: the

fungal growth inhibition by bacteria is mediated by the production of phenazine

derivatives, antifungal antibiotics, or by mycophagy; on the other hand the suppres-

sion of bacteria by fungi could be due to oxidoreductase activity, production of

hydroxyl radicals, and of antibiotic compounds (Baldrian 2008).

Successful colonization of nonsterile soils by WRF demonstrates the ability to

overcome the adverse effect of soil microflora: T. versicolor was shown to attack

soil bacteria, i.e., Pseudomonas (Thorn and Tsuneda 1992), and P. ostreatus was
able, during degradation of PAHs in nonsterile, artificially contaminated soils,
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to inhibit the growth of indigenous bacteria and change the composition of the

bacterial community (Andersson et al. 2000).

More recently, the effect of bacterial stress on I. lacteus and T. versicolor was
investigated (Borràs et al. 2010). The bacterial stress was represented either by the

innate soil microflora or a defined mixture of the soil bacteria Pseudomonas
aeruginosa and Rhodococus erythropolis inoculated into the sterile soil. The effect

was measured by the efficiency of removal of 16 PAHs spiked into soil, by the

ability of the fungi to colonize the soil and produce MnP and laccases. This

comparative study demonstrated a significant decrease of degradation of total

PAHs in the presence of live bacteria. On the other hand, the bacteria tested did

not affect the capability of the two fungal organisms to colonize soil and did not

influence the fungal growth yields and the extracellular enzyme levels.

However, the interaction with the indigenous microflora may also be beneficial

for the process of bioremediation. Metabolites produced by oxidation of high-

molecular weight POPs by WRF can be mineralized by indigenous microflora,

with an overall increase of the biodegradation rate. Recently, Cea et al. (2010)

demonstrated that members of the phylum Proteobacteria (Xanthomonadaceae,
Burkholderiaceae, Enterobacteriaceae) actively participate in the remediation of

chlorophenols in soils together with the WRF Anthracophyllum discolor.

2.3 Litter Fungi

Litter decomposing fungi (LDF) are another ecophysiological group of

basidiomycetes, which play a pivotal role in the ecology of forests since they are

deeply involved in wood and litter decomposition, humification, and mineralization

of soil organic matter. A major part of the total litter input to forest soils is non-

woody plant residues such as leaves, fruit, and reproductive structures. Plant litter

consists of several groups of compounds and the relative amounts of the different

constituents vary depending on the plant part (leaves, stem, etc.) and species.

Broadly, the dominant C-rich components are soluble organic compounds (sugars,

low molecular weight phenolics, hydrocarbons, and glycerides), hemicellulose,

cellulose, and lignin (Berg and McClaugherty 2003).

Basidiomycetous litter fungi are considered especially important due to their

production of ligninolytic enzymes essential for degradation of plant materials

(Osono and Takeda 2002). Ascomycetous fungi constitute a large part of the fungal

community in forest litter (Lindahl et al. 2007), although the lignin degrading

capacity of most ascomycetes appears to be limited (Osono and Takeda 2002).

The community of saprotrophic litter decomposers has been observed to be

restricted to the upper litter layer, whereas the fungal community in the deeper

layers is typically dominated by mycorrhizal fungi (Lindahl et al. 2007).

When the newly shed litter reaches the forest floor, it is already colonized by

phylloplane and endophytic fungi. The ecological role of endophytes is not clear,

but several of them remain in the dead litter and some have saprotrophic capabilities
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(Osono 2006). In this early stage of decomposition, mainly soluble sugars and other

low molecular weight compounds are lost from the litter and enzymes linked to

soluble saccharides are also prominent but then rapidly decline. Some endophytic

fungi in the early community also have cellulolytic capacities and have been

observed to cause significant mass loss in laboratory experiments (Korkama-Rajala

et al. 2008). Knowledge of the functional capacities of these fungi is, however,

very limited.

The first fungal community in the recently shed litter is soon accompanied by

early basidiomycetous fungi. Species within the genera Athelia, Marasmius, and
Sistotrema are frequently found (Lindahl et al. 2007; Korkama-Rajala et al. 2008).

During the second phase of litter decomposition, cellulolytic enzymes are active

and the main degradation of the polymer occurs. Laccase activity can also be

observed relatively early in decomposition of litter with high contents of phenolic

compounds. Typical litter basidiomycetes such as species of the genera Mycena,
Clitocybe, and Collybia are prominent during this stage of decomposition

(Osono 2007).

In later stages of decomposition, the typical LDF appear to be absent and,

instead, mycorrhizal fungi have been found to dominate the fungal community

in the humus layer of both deciduous and coniferous forests (Lindahl et al. 2007).

Due to problems with culturability of most mycorrhizal fungi, this functional

group escapes detection by traditional, culture-based methods.

2.3.1 Litter Fungi in Soil Bioremediation

Several papers report that LDF, almost exclusively basidiomycetes, produce a wide

variety of oxidoreductases, most frequently laccases and MnP, that, similarly to

wood degrading fungi, could be involved in the degradation of different POPs

(Casieri et al. 2010).

From a historical point of view, the first report of the ability to degrade

xenobiotics by this group of fungi date back to 1999 when Wunch and collaborators

reported the degradation of benzo[a]pirene by Marasmiellus troyanus in liquid

culture. The same authors confirmed the degradative capability of the fungus in a

bioaugmentation experiment carried out in nonsterile soil microcosms; however, no

mechanism of action was suggested (Wunch et al. 1999).

The potential application of LDF in soil bioremediation for degradation of

recalcitrant organopollutants was demonstrated by Steffen et al. who showed the

bioconversion of high molecular mass PAHs by selected LDF in both liquid

cultures (2002) and contaminated nonsterile soils (2007). The authors pointed out

that several LDF were able to convert different POPs to some extent and proposed

that MnP was the key enzyme in the degradation process. They also observed

considerable differences in the degradation activity by different species and showed

that Stropharia rugosoannulata and S. coronilla were the most efficient degraders.

Very recently the involvement of laccases from Marasmium quercophilus
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(Farnet et al. 2009) and peroxinagenes from Coprinellus radians (Aranda et al.

2010) in the degradation of PAHs, methylnaphthalenes, and dibenzofurans was also

reported.

Hence, the literature demonstrates that selected litter-decomposing

basidomycetes have a well-founded potential to be used in bioremediation towards

different POPs especially if suitable carriers for inoculation and production of the

oxidative enzymes are selected (Valentı́n et al. 2009). The abilities of LDF to

colonize the soil, to survive there over long periods, and to compete with other

microorganisms should be considered as ecological features that can make them

even more suitable for bioremediation applications compared with WDF, which

usually prefer to colonize compact woods (logs, trunks, etc.) and have poor

capability to grow in different niches such as soil. Moreover, the efficiency of

LDF varies among the different species, and the degradation potential of LDF may

be even considerably higher since only a limited number of species has been tested

so far (Steffen et al. 2007; Casieri et al. 2010).

2.4 Soil Fungi

The spatial distribution and metabolic activity of soil microorganisms is heteroge-

neous and closely correlated to organic matter availability, which is often

concentrated in hot spots. In this contest, fungi with high sporulation capability,

such as mitosporic fungi (Deuteromycetes) and Zygomycetes, can easily straggle to

reach the suitable environmental condition and nutrients for their growth. When the

environment is unsuitable for growth (low nutrients, presence of metabolites, etc.),

their asexual spores, called conidia, show an exogenously imposed dormancy

induced by the phenomenon termed fungistasis, allowing the fungus to survive

(Deacon 2006).

Some few investigations have focused on the spatial heterogeneity of pollutants

biodegradation, finding that it mainly occurs between the topsoil (an organic rich

layer which corresponds to the root zone), the rhizosphere, and the rhizoplane

(Gonod et al. 2003). Since bioremediation activity in this microhabitat seems to

be mainly ascribable to the action of its fungal component (Bengtsson et al. 2010),

it is of crucial importance to deepen the ecological and physiological characteristics

of fungi that live in this part of the soil.

The loss of organic and inorganic carbon from roots into soil underpins nearly all

the major changes that occur in the rhizosphere. Thus, the rhizosphere is

characterized by high microbial activity due to the rich supply of organic carbon

compounds derived from the root. Microbial populations in the rhizosphere may be

10–100 times higher than in the bulk mineral soil. The difference between the soil

and rhizosphere–rhizoplane mycobiota is substantial: diminished species

variability, changes in the representation of many species, increased mycelial

biomass, and increased mean radial growth rate of typical species of micromycetes

(Kurakov et al. 1994).
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Fungi play several ecological roles in rhizosphere, such as symbiontic,

pathosistic, and saprotrophic ones. In particular the last one is strongly related to

the bioremediation potentiality of rhizosphere fungi. In all the phases of the

sequence of the organic matter decomposition, fungi play an important role with

an overlapping sequence of activities with different patterns of behavior. On

account of the fungal abilities to degrade particular types of substrates, they can

be divided in pioneer saprotrophic fungi, polymer-degrading fungi, and fungi that

degrade recalcitrant polymers (Deacon 2006).

Among pioneer saprotrophic fungi there are several species of Mucor,
Cunninghamella, Rhizopus, and other Zygomycota, which utilize sugars and other

simple soluble nutrients. These pioneer fungi grow rapidly, have a short exploitative

phase, and a high competitive ability; they are generally characterized by high

tolerance to environmental stresses such as the presence of pollutants, in fact, they

are common in polluted soils (Tigini et al. 2009). Independently by their degradation

capabilities, these fungi are capable to decrease the concentration of organic

pollutants such as PAH, by accumulating them in intracellular lipid vesicles.

Moreover, these vesicles could have a role in biodegradation too (Verdin et al. 2004).

This accumulation activity can also be common to polymer-degrading fungi that

have an extended phase of growth on the major structural polymers such as

cellulose, hemicelluloses, or chitin (Verdin et al. 2004). These fungi tend to defend

the resource against potential invaders, either by sequestering critically limiting

nutrients or by producing inhibitory metabolites (Deacon 2006). Species belonging

to the genera Trichoderma, Fusarium, Penicillium, Stachybotrys, Aspergillus,
Cladosporium, Mortierella, Beauveria, Engyodontium are some examples of this

kind of fungi that have been recently described as tolerant to pollutants such

as PCBs, chlorobenzoic acids (CBA), and endosulfan and that are indicated as

potential bioremediation agents in soil (Garon et al. 2000; Tigini et al. 2009;

Pinedo-Rivilla et al. 2009).

Fungi that degrade recalcitrant polymers often predominate in the later stages

of decomposition. The ecological success of fungi that develop later in the decom-

position sequence is related to their specialized ability to degrade polymers

such as lignin and keratin that most other fungi cannot utilize. Among them,

Fusarium, Penicillium, Aspergillus, Paecilomyces, Microsporum, Acremonium,
and Geomyces are often reported as xenobiotics degrading (Pinedo-Rivilla et al.

2009; Tigini et al. 2009).

When we approach to a polluted area, however, this theoretical sequence can be

substantially modified. Actually, one of the main effects of the industrial pollution

on soil is the significant decline of biodiversity of the native microbial population at

both the genetic and the functional point of view. Environmental pollution

adversely affects many levels of the ecosystem organization. It might affect the

efficiency of using the available resources, making the system more sensitive to

subsequent stresses, or might lead to the development of tolerance making the

system more resistant to additional stresses.

In contaminated soils, the fungal community is generally remarkably reduced to

few fungal species, which are tolerant to pollutants (Tigini et al. 2009). In such

2 The Bioremediation Potential of Different Ecophysiological Groups of Fungi 41



environments microorganisms capable of pollutants removal can constitute up

to 100 % of the viable ones (Venosa and Zhu 2003). In soils with relatively low

levels of pollution, particular groups of fungi can become the dominant microbial

population: opportunistic and phytotoxic fungi can increase as a consequence of

soil contamination and decrease after soil remediation due to the adaptation of these

fungi to the surrounding environment and the use of pollutants as a carbon source

(Kireeva et al. 2008).

In any case, the loss of biodiversity in soil due to pollution has quite always a

negative effect on the removal of xenobiotics; actually, given the complementary

action that often exercise microorganisms consortia, the presence of different

species ensures a greater effectiveness in soil bioremediation.

2.4.1 Mechanisms of Pollutants Degradation by Soil Fungi

Biodegradation strategies are generally divided in two categories (1) the target

compound is directly used as a carbon source and (2) the target compound is

enzymatically attacked but is not used as a carbon source (cometabolism). Although

mitosporic fungi participate both strategies, they are often reported as more

proficient at cometabolism. In the rhizosphere, in particular, the plant root often

provides C sources essential for fungal degradation of more complex molecules. In

last years, however, there is an increasing of demonstrations of direct metabolism of

pollutants by mitosporic fungi and Zygomycetes.

Saprotrophic fungi produce a group of extra- or intracellular enzymes that

include proteases, carbohydratases (e.g., cellulases, amylases, xylanases, etc.),

esterases, phosphatases and phytases, which are physiologically necessary to living

organisms. Due to their intrinsic low substrate specificity, hydrolases may play a

pivotal role in the bioremediation of several pollutants including insoluble wastes.

The nonspecific ligninolytic systems (e.g., laccases and peroxidases), quite

always associated with WRF, are often reported as putative enzymes involved in

xenobiotics degradation by mitosporic fungi, too. However, while most of the WRF

require a high level of consumption of easily metabolized cosubstrates to carry

out lignin transformations (up to 20-fold the degraded lignin weight), lignin

transformation with a low cosubstrate requirement was observed in Penicillium
chrysogenum (Rodriguez et al. 1994).

LiP, MnP, laccases, cellulases, and hemicellulases can work synergistically

in the decomposition of some pollutants. In some cases, the involvement of

extracellular oxidative enzymes in the degradation of pollutants is not so clear

because of the lack of correlation between pollutants removal and enzymes

production (Tigini et al. 2009). Nevertheless, the enzyme detection in the degrada-

tion of pollutants is not sufficient to demonstrate their involvement in the depletion

of toxic molecules, and the use of a inhibitor can be useful to verify the decrease of

degradation activity.
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Other than extracellular enzymes in lignin catabolism, a mechanism involved in

PAH biodegradation could be the cytP450 system, which was extensively studied in

Cunninghamella species (Cerniglia and Sutherland 2001). Non-ligninolytic fungi

often metabolize PAHs with a mechanism that suggests the hydroxylation by a

cytP450 monooxygenase followed by conjugation with sulfate ion. This was true

for the degradation of pyrene and BaP by Aspergillus terreus, which metabolized

these pollutants mainly in pyrenylsulfate and benzo(a)pyrenylsulfate, respectively
(Capotorti et al. 2004).

Monooxygenases resulted involved in the degradation of fluorene, another very

toxic PAH, by most of the micromycetes isolated from soil (Garon et al. 2000).

Among them, the best degraders were three strains belonging to Cunninghamella
genus and several species reported for the first time as fluorene degraders: A. terreus,
Colletotrichum dematium, Cryphonectria parasitica, Cunninghamella blakesleeana,
C. echinulata, Drechslera spicifera, Embellisia annulata, Rhizoctonia solani, and
Sporormiella australis.

2.5 Mycorrhizal Fungi

Mycorrhizae are symbioses between plant roots and an array of soil-inhabiting

filamentous fungi. These associations are virtually ubiquitous and generally

considered mutualistics as they are based on a bidirectional exchange of nutrients

that is essential to the growth and survival of both partners (Robertson et al. 2007).

The fungal partner captures nitrogen (N), phosphorus (P), and other nutrients

from the soil environment and exchanges them with the plant partner for photosyn-

thetically derived carbon (C) compounds that feeds fungal metabolism.

Several types of mycorrhizal associations have been classified according to the

fungus involved and the resulting structures produced by the root–fungus associa-

tion: ectomycorrhizas (ECM), ericoid mycorrhizas (ERM), ectendomycorrhizas,

arbuscular mycorrhizas (AM), arbutoid mycorrhizas (ARM), monotropoid

mycorrhizas, and orchid mycorrhizas. Most trees in boreal forests form ECM,

whereas the major constituents of the understorey vegetation usually form AM,

ERM or ARM. Their role in nutrient transport in ecosystem and protection of plants

against environmental and cultural stress has long been known.

2.5.1 Mycorrhizal Fungi in Soil Bioremediation

Phytoremediation is widely applied as a catch-all term for the use of plants to soil

bioremediation. The term is certainly suited to hyperaccumulation of metals by

plants, since the plant tissues are the repository of the pollutants. Where plants are

used to remediate POPs, however, it would be better to use the term “rhizosphere/

mycorrhizosphere remediation,” because POP degrading activity will, in most
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scenarios, occur in the rhizosphere/mycorrhizosphere, rather than in the plant

per se. Several papers report that the mycorrhizosphere microbial community

(including nonsymbiotic fungi and bacteria) may act in concert with mycorrhizal

fungi to degrade POPs. Enhanced degradation or mineralization in the rhizosphere

has been demonstrated for a range of pesticides, PAHs, oil, surfactants, PCBs,

and chlorinated alkanes in both woody and herbaceous plants (Gao et al. 2011;

Teng et al. 2010). This enhanced rhizosphere degradation is generally related to

the plant-stimulated microbial activity since rhizosphere microorganisms usually

do not degrade POPs to yield energy, rather they may cometabolize them as a

consequence of utilizing plant-derived cyclic compounds. Moreover, several recent

papers underlined the importance of synergistic interactions among different

species of AM fungi (Gao et al. 2011) or between AM fungi and rhizobia

(Teng et al. 2010) to enhance degradation of POPs in soils.

It is unknown how the carbon contributions of the phytobiont influenced fungal

responses or how synergistic or antagonistic interactions between mycorrhizas and

other microorganisms altered their ability to mineralize or degrade organic

pollutants. Results from recent field studies show that, with a high host carbon

demand or with a decreased host photosynthetic potential, ECM fungi exhibit a

saprotrophic behavior (Cullings et al. 2010). Mycorrhizal fungi may benefit plants

that grow in contaminated soils providing greater access to water and nutrients and

possibly protecting them from direct contact with toxic contaminants (Robertson

et al. 2007). However, in addition to other biological (e.g., bacterial plasmid

transfer) and physical (e.g., pollutants drawn into the rhizosphere by the transpira-

tion stream, alteration of soil structure, translocation of hydrophobic organic

pollutants by mycorrhizal hyphae from soil to plant root) factors, also the direct

degradation capability of mycorrhizal fungi may also play a role metabolizing,

removing or immobilizing POPs, or transforming, and altering their mobility and

toxicity.

According to several authors, in fact, many ECM and ERM fungi have retained

some ability to degrade organic pollutants (Casieri et al. 2010) thanks to the

production of extracellular enzymes able to directly or indirectly oxidize aromatic

rings. The capability to degrade POPs of mycorrhizal fungi, and especially of ECM

and ERM fungi, seems mainly related to the production of polyphenol oxidases

(e.g., laccase, catechol oxidase, and tyrosinase) and peroxidases. Many papers

report the production of these enzymes in axenic cultures (Burke and Cairney

2002; Casieri et al. 2010) and the widespread occurrence of laccases and

peroxidases genes in many ECM fungi has been recently demonstrated (Lundell

et al. 2010). However, the real degradative potential of mycorrhizal fungi (when in

symbiosis with the plant) and the impact of mycorrhizal formation on the secretion

of exoenzymes by the host plant and the mycobiont is almost unknown Courty et al.

(2011) showed that the colonization of poplar roots by Laccaria bicolor dramati-

cally modified their ability to secrete enzymes involved in organic matter break-

down or organic phosphorus mobilization, and they also demonstrated that the level

of enzymes secreted by the ectomycorrhizal root tips is under the genetic control of

the host (different genotypes).
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Few studies have considered mycorrhizal fungi in symbiosis with plants for the

degradation of organic pollutants and the results are often contradictory. Günter

et al. (1998), working in axenic conditions, demonstrated that, in symbiosis with

Scots pine, S. granulatus and P. involutus increased the level of peroxidases in the

fungus/root homogenate and in the nutrient solution of the mycorrhizal plants

and Meharg et al. (1997) reported that the degradation of 2,4-dichlorophenol by

mycorrhizal pine roots under aseptic conditions was higher than in pure cultures of

the same mycorrhizal fungi growing on expanded clay.

For more recalcitrant pollutants like PAHs, Genney et al. (2004) reported that

the ECM had no impact on mineralization or volatilization of naphthalene and

retarded the degradation of fluorene spiked into forest soil and Koivula et al. (2004)

showed that the presence of pine and its mycorrhizal fungus had no significant

effect on the pirene mineralization yields. More recently, Joner et al. (2006)

reported a consistent negative effect of mycorrhizal inoculation on PAHs degrada-

tion; whereas Gunderson et al. (2007) showed how ECM colonization of hybrid

poplar in diesel contaminated soils increased fine root production and whole-plant

biomass but inhibited removal of total petroleum hydrocarbon from a diesel

contaminated soil.

In conclusion, the majority of mycorrhizal fungi appear to be able to degrade a

range of contaminants. To date only a limited number of mycorrhizal fungal taxa

(and only single isolates of each) have been investigated with respect to their

abilities to degrade organic pollutants. Given that well in excess of thousands of

fungal species are likely to exist worldwide and that considerable physiological

variation exists even between individual isolates of a single species (Casieri et al.

2010), only a fraction of the potential of mycorrhizal fungi to degrade pollutants has

so far been determined. Further studies are necessary to understand the impact

of POPs contamination on soil organisms and the physiological mechanisms of

nutrient exchange among the different organisms, mycorrhizal, and plant partners

included. A more thorough knowledge of which organisms are likely to survive and

compete in various ecosystems is required, as well as a better understanding of

whether certain types of fungal associations with different plant hosts gain in

ecological importance following disturbance events.

2.6 Conclusions

The importance of developing multidisciplinary approaches to solve problems

related to anthropogenic pollution is now clearly appreciated by the scientific

community. Several gaps in knowledge still exist and scientists, industrialists,

and government officials should collaborate to guide future research in both

ecological and sustainable management contexts so that we will be better prepared

to manage systematic and occasional contaminations.

The taxonomic, genetic, and functional diversity of fungi potentially useful in

soil bioremediation is immense and continues to expand. It is also clear that the
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different ecophysiological groups of fungi are strictly interconnected creating

communities that underpin survival and productivity of the different ecosystems.

In addition, it appears that the redundancy of the biodegradation capacity of the

different groups of fungi is essential to compensate for the depletion of microbial

communities due to soil contamination and, hence, it is a key aspect for the

ecosystem recovery.

The recent literature shows that each ecophysiological group of fungi may play a

direct role in biodegradation of complex organic substrates via enzymatic catabo-

lism. However, most fungi have been examined in isolation from an ecosystem

context, thereby excluding interactions among the different organisms and the soil

environment. Thus, further efforts are needed to better understand how the soil

ecosystem works as a whole; a better knowledge of the complexity of this hetero-

geneous environment, and of the interactions between the different organisms

present, will make it possible to formulate more effective bioremediation strategies.
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Chapter 3

Fungal Wood Decay Processes as a Basis

for Bioremediation

Barbara Piškur, Miha Humar, Ajda Ulčnik, Dušan Jurc,

and Franc Pohleven

3.1 Introduction

Soils are complex and heterogeneous ecosystems, composed of inorganic particles,

organic components in different decomposition stages, water, gases and organisms

that have an important function in nutrient cycling (Killham 1995; Atlas and Bartha

1998). Unfavourable physical and chemical properties of soils represent an envi-

ronmental and also an economical problem. Numerous erosion processes can result

in water and air contamination and in formation of large areas of unproductive soils,

with low amounts of organic substances. Natural succession of different organisms

in such soils is slow and also renders the establishment of vegetation overgrowth.

Fungi and their interactions with other organisms are necessary for stable

functioning of ecosystems and biosphere. Fungal activities are unique and indis-

pensable in biogeochemical nutrient cycles and represent a genetic reservoir with

enormous potential to restore and conserve the environmental equilibrium

(Hawksworth and Colwell 1992). Wood decay fungi, especially white-rot fungi,

are the only known organisms, which can degrade all components of wood cell

walls, including lignin (Zabel and Morrell 1992; de Boer et al. 2005). Wood

degradation products have an important function in formation of organic soil

components and can positively influence the natural succession pattern (Ponge

2005). Organic matter significantly influences on the physical, chemical and

biological properties of the soil. Humus effects the uptake of micronutrients by

plants and influences on the numerous soil characteristics (e.g. colour, water
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retention, soil structure stabilisation, increased permeability, buffer effect, cation

exchange capacity, combines with organic molecules) (Stevenson 1982).

The term mycoremediation usually refers to the exploitation of a unique

fungal capacity to break down various organopollutants or to remove heavy metals

from contaminated substrates but was also expanded on application of fungi to

revitalise degraded and organically depleted areas (Pointing 2001; Bennet et al.

2002; Humar and Pohleven 2003a; Šašek et al. 2003; Singh 2006; Vidic 2008;

Piškur et al. 2009). However, bioleaching is nowadays a more established term for

processes of heavy metals removal from contaminated substrates (Amartey et al.

2007). Mycoremediation principles are becoming more and more popular and are

extensively studied. Mycelial growth enables fungi to be successful biodegraders

compared to other organisms, for example, bacteria—fungi can colonise insoluble

substrates and their mycelium represents a larger contiguous area with the

substratum. Fungi can tolerate higher concentrations of toxic substances due to

secreted extracellular enzymes (Bennet et al. 2002).

Ligninolytic enzymatic system of white-rot fungi can, beside wood components,

also transform and/or mineralise a large spectrum of organic pollutants (Pointing

2001). The white-rot fungus Phanerochaete chrysosporium was noticed in the

1980s for its ability to degrade various substances: polyaromatic carbohydrates,

chlorinated phenols, nitroaromatic substances, dyes and other environmental

pollutants (Bumpus and Aust 1987; Aitken et al. 1989; Aust 1990; Tucker et al.

1995). More than 1,500 species of white-rot fungi and also numerous other fungi

(like brown rots) represent a great potential for mycoremediation, which has not yet

been fully evaluated (Bennet et al. 2002). Some of wood brown-rot fungi were

successfully tested for bioleaching, detoxification and recycling of waste wood,

impregnated with formulations based on copper, chrome, arsenic and boron (Humar

et al. 2002a, b; Humar and Pohleven 2003b).

It is essential to understand basic processes involved in the wood degradation

and succession of organisms to get a correct insight into mycoremediation

principles. The main purpose of this chapter is to introduce the basis of wood

degradation and to emphasise the influence of exogenously added fungi on the

development and stability of indigenous microbial communities. The exploitation

of fungi for bioremediation is extensively studied, but unfortunately only a minor

part of published papers could be considered here and it is on the reader to dig

deeper into the mycoremediation “know why”.

3.2 Wood Substrate as an Organic Amendment

Wood, grasses and the majority of plant litter represents the major part of

earth’s biomass and are with one name called lignocellulose. A greater portion

of lignocelluloses is constituted from cellulose, hemicelluloses and lignin. Some

authors (Fengel and Wegener 1989) estimate that there is around 2.5–4 � 1011 tons

of cellulose and approximately the same amount of lignin, which altogether
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represents 70 % of all organic carbon on the earth. Photosynthesis and degradation

of lignocelluloses are two important processes in the global carbon cycle of

nutrients (Tuomela et al. 2000). Biotic wood degradation has been anthropogenic-

ally characterised as a harmful process, but saprophytic fungi (and their interactions

with other organisms) are indispensable for normal functioning of all earth’s

ecosystems (Rayner and Boddy 1988).

Coniferous and non-coniferous woods differ in structure and quantity of

hemicelluloses and lignin (Torelli 1986; Eaton and Hale 1993). Average chemical

composition of different wood sources is 50 % of carbon, 43 % of oxygen and 6 %

of hydrogen. The remaining percentage is represented by nitrogen and ash (Fengel

and Wegener 1989). According to prCENT/TS 14961 (2004), carbon content

in European non-coniferous woods is expected to be 49 % and in coniferous

woods 51 % on a dry, ash free mass. The nitrogen content is around 0.1 %.

Macromolecules (cellulose, hemicelluloses and lignin) are present at both wood

groups, while the content and types of low molecular substances are variable. In

general, they can be classified into organic (extractives) and inorganic substances

(ash) (Fengel and Wegener 1989). Extractives include different waxes, fats, fatty

acids, alcohols and also mixtures of terpenes, lignans, flavonoids and other aromatic

substances, which form resins (Rayner and Boddy 1988). The presence of inorganic

substances depends on the tree’s growth conditions. Higher concentrations are

detected in woods from tropical and subtropical areas. Around 50 % of ash is

represented by calcium, followed by potassium, magnesium, manganese, sodium,

phosphorus and chlorine (Fengel and Wegener 1989).

Cellulose represents the main organic structural component of the wood cell wall

and its share in both coniferous and non-coniferous adult woods is around

42 � 2 % (Torelli 1986). Cellulose is a homopolymer of b-D-glucopyranose, linked
by b(1–4) linkages. Inter- and intramolecular hydrogen bonds between cellulose

molecules result in formation of cellulose microfibrils (Eaton and Hale 1993).

Hemicelluloses are short and branched homo- and heteropolymers and represent

from 25 to 40 % of wood cell walls. Hemicelluloses are covalently linked to lignin

and together with their noncovalent interactions to cellulose represent a coat for

cellulose fibrils, protecting them from degradation and maintaining their integrity

(Eaton and Hale 1993; Uffen 1997). Lignin is a complex, amorphous three-

dimensional polymer of phenylpropane units and represents from 18 to 33 % of

wood cell walls (Eaton and Hale 1993; Donaldson 2001). Lignin has a structural

function in wood, causes impermeability and protects wood from wood-degrading

organisms and oxidative stress (Pérez et al. 2002; Hatfield and Fukushima 2005).

The structures and organisation of the main components of wood cell walls and

an extremely high carbon to nitrogen ratio (300–1,200:1) promote wood stability

and cause resistance to deterioration and degradation, but on the other hand, wood

can be an excellent source of organic matter. The idea of wood as an organic

amendment to enrich organically poor soils or wood material as an accelerator of

wood decay fungi in soil ecosystems is not new. Lignocellulosic residues generated

from logging industry, agriculture, pulp and paper industry and construction or
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demolition industry have been suggested as organic supplements (e.g. Morgan et al.

1993; Boyle 1995; Lang et al. 2000; Jordan 2004; Dunisch et al. 2007; Baldrian

2008; McMahon et al. 2008; Tahboub et al. 2008; Belyaeva and Haynes 2009;

Piškur et al. 2009; Barthes et al. 2010; Huang et al. 2010; Valentı́n et al. 2010).

Barks of different tree species turned out to be a promising soil improver

and growth medium (Solbraa 1979a, b; Valentı́n et al. 2010). In the 1970s the

capacity of branch chips as soil fertilisers was envisaged and later a technique

“Ramial Chipped Wood Technique (RCW)” was described. It was characterised as

a “technique of the forest”, imitating the way forest generates soils (Lemieux 1993;

Caron et al. 1998; Germain 2007). Branches of non-coniferous species increase the

fertility of soil to a greater extent than those of conifers due to their chemical

composition, lignin structure and lack of inhibiting resins. Branches are compared

to the trunk richer with minerals, amino acids and proteins, with more suitable C/N

ratio, and are consequently a biostimulator of the natural cycle of nutrients through

the promotion of humus formation (Germain 2007). RCW amendments have a

positive effect on crop yield, except for the crops that immediately follow the first

burying of RCW. Effects of RCW applications are affected by different factors,

such as tree species, amount of RCW addition and wood chip size (Barthes et al.

2010). Favourable influences of pruned wood chips like improved soil organic

matter content and aggregate stability are reported by Tahboub et al. (2008)

also. They disproved the hypothesis about nitrogen immobilisation in the wood

chip-amended soil and demonstrated that there was no influence on nitrogen

content in leaves of trees, planted in wood chip-amended soils.

As summarised by Briceno et al. (2007), around 85 % of organic wastes

originated by humans are forestry-farming wastes, and application of some organic

residues has been carried out throughout human history due to their advantageous

contribution to the physiochemical and biological properties of such amended

soils. Addition of organic wastes was reported to promote soil structure, improve

aeration, retain moisture, enhance humified components of soils and stimulate

biological activity in soils (Graber et al. 2001; Namkoong et al. 2002; Dungan

et al. 2003; Forge et al. 2003; Marschner et al. 2003; Briceno et al. 2007; Park et al.

2011). However, addition of organic wastes can have phytotoxic effects on seed

germination or can destroy roots, suppress plant growth and cause nutrient loses.

Additionally, organic wastes could represent a source of toxic compounds, such as

heavy metals and pesticides (Hernandez-Apaolaza et al. 2000; Ceotto 2005;

Briceno et al. 2007). Enrichment of soils with organic wastes can lead to rapid

immobilisation of inorganic nitrogen as a consequence of high C/N ratio and thus

inhibit nitrogen mineralisation (Amlinger et al. 2003). But Bridge and Prior (2007)

summarised findings of studies about the influence of wood amendments on soil

communities and nutrient availability (Kokalisburelle and Rodriguezkabana 1994;

Visser et al. 1998)—wood supplements reduce fungal pathogens, alter soil

communities and influence the establishment of mycorrhizal associations. Some

studies indicate that wood application initially reduces soil nutrients due to

increased microbial activities in wood material (Larsson et al. 1997; Bridge and

Prior 2007). Wood amendments were also reported to influence the mobility of

organic pollutants in soils (Grenni et al. 2009).
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3.2.1 Ecology of Wood Degradation

Wood is a biologically active material that in life-supporting conditions undergoes

constant change and harbours a constantly changing community of different

organisms (Garstang et al. 2002; Piškur et al. 2009). Wood degradation is condi-

tioned by succession of fungal activities, by interactions among fungi and other

organisms and by environmental factors. For example, Harris and Boddy (2005)

assessed that the addition of wood material, overgrown with different fungal

species, influenced the development of biomass and the amount and distribution

of phosphorus in soils, previously inoculated with Phanerochaete velutina.
Elissetche et al. (2006) ascertained that, compared to vermiculite, fungal species

Ganoderma australe grows and degrades wood more intensively when wood

material is in contact with soil. Nutrients from soil were translocated into wood,

where they influenced on the fungal growth and wood degradation, but no proven

impact on delignification was assessed. Higher concentrations of nitrogen enable

fungal mycelium to grow at high concentrations of copper (Table 3.1) (Humar and

Pohleven 2005) and promote wood degradation (van der Wal et al. 2007), even

though lignin degradation can be inhibited by the addition of simple nitrogen

sources (Boyle 1998). Wood degradation is also influenced by the soil type,

which is a source of fungi and other microorganisms, and inhibitory substances

that diffuse into wood and direct the course of wood degradation (Van der Wal et al.

2007). Additionally, the size of wood material is an important factor for the course

of degradation. Van der Wal et al. (2007) noticed that, compared to bigger wood

Table 3.1 Mass losses of the control and CCB-impregnated Norway spruce (Picea abies)
specimensa, immersed into 1 or 5 % aqueous solution of corn steep liquor (CSL), after 8 weeks

of exposure to different wood decay fungi (adopted after Humar and Pohleven 2005)

cCCB (%) cCSL (%)

Wood decay fungi

Mass loss (%)

Avb Lpb Ppb Gtb Tvc Hfc

– � 18.4 (3.4) 17.3 (3.5) 45.8 (4.0) 56.6 (5.4) 21.8 (4.2) 31.6 (5.8)

1 18.5 (4.6) 9.4 (2.1) 50.4 (5.1) 19.0 (6.3) 18.8 (3.7) 20.7 (3.5)

5 24.3 (3.0) 6.8 (2.4) 26.8 (4.4) 4.6 (3.9) 12.3 (2.1) 19.4 (3.4)

1 � 31.7 (3.0) 20.8 (3.2) 30.9 (6.8) 0.9 (0.2) 0.5 (0.1) 0.1 (0.3)

1 29.1 (3.1) 17.4 (2.9) 34.7 (3.2) 0.5 (0.2) 0.5 (0.1) 0.2 (0.2)

5 29.3 (2.9) 13.9 (1.8) 33.6 (2.6) 0.0 (0.3) 2.1 (0.1) 4.1 (1.0)

5 � 5.5 (1.0) 2.9 (0.9) 0.0 (0.3) 0.8 (0.2) 0.6 (0.2) 0.6 (0.2)

1 1.1 (0.9) 1.5 (0.5) 0.0 (0.4) 0.3 (0.0) 3.1 (0.3) 5.2 (2.1)

5 1.0 (0.4) 1.1 (0.6) 0.0 (0.4) 0.0 (1.0) 1.6 (0.6) 1.9 (0.1)

Standard deviations are given in parenthesis
aWood preservative made of Cu, Cr and B
bBrown-rot fungi Antrodia vaillantii (Av), Leucogyrophana pinastri (Lp), Postia placenta (Pp)

and Gloeophyllum trabeum (Gt)
cWhite-rot fungi Trametes versicolor (Tv) and Hypoxylon fragiforme (Hf)
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chips, mass loss of sawdust is lower. Sawdust is rapidly colonised by bacteria,

which exploit sugars and other available nutrients and at the same time excrete

antifungal substances and lytic enzymes, which hinder the development of fungal

colonisation and consecutively wood degradation.

Woody detritus is an important ecosystem component affecting soil develop-

ment and water storage, providing major sources of energy and nutrients and

representing an environment for various organisms (Harmon 2001; Kuffer et al.

2008). The relation between woody particles and thickness and portion of moss

overgrowth on wood influences its degradation (Grebenc et al. 2004). Woody debris

augments the diversity of saprophytic fungi in forest ecosystems (Lindhe et al.

2004; Ódor et al. 2006). A variability of wood species, mixture of twigs, branches

or logs of different rates of decomposition provide a broad range of niches for wood

decay fungi (Kuffer et al. 2008). For example, monitoring of macrofungi on beech

woody debris revealed 244 different fungal species in Slovenian unmanaged forest

sites (Piltaver et al. 2002).

Coniferous wood chips are more resistant and more durable than non-coniferous

wood chips. During wood chip storage chemical deterioration, discolouration and

fungal colonisation appear. At the beginning, due to the respiration of still-living

parenchymal cells, rapid bacterial colonisation and exploitation of available

nutrients, the temperature increases. Furthermore, pH decreases as a result of

deacetylation of cellulose and microbial activities (Table 3.2). Acetic and other

volatile organic acids are products of natural degradation and deterioration

processes and as such they are important indicators of changes in wood material

(Buggeln 1999; Garstang et al. 2002; Ashton et al. 2007; Piškur 2009; Piškur et al.

2009). Beside acetic acid, some wood decay fungi, particularly the copper-tolerant

ones, excrete copious amounts of oxalic acid (Green and Clausen 2005). In parallel,

mechanical properties of wood decrease very fast as well. Loss of stiffness is one of

the first signs of decay (Wilcox 1993). Humar et al. (2006) reported that, after

1 week of exposure, Gloeophyllum trabeum reduced modulus of elasticity (MOE)

by 7.4 % and Antrodia vaillantii by 8.3 % (Table 3.3). Another important sign

of wood degradation is colour change, as already mentioned. Brown-rot fungi

predominately degrade cellulose, leaving oxidised brown lignin. In contrary,

white-rot fungi predominately degrade lignin, leaving bleached, white cellulose

residues.

In the research made by Jirjis (2005), degradation processes of willow wood

chips stored in a pile were monitored. At the beginning 109 cultivable fungal spores

Table 3.2 pH values of degraded Norway spruce wood (P. abies) after 2, 4 and 12 weeks of

exposure to brown- and white-rot fungi (adopted after Humar et al. 2001)

Wood decay fungi

Weeks of exposure

0 2 4 12

Antrodia vaillantii 5.1 4.0 3.7 3.2

Trametes versicolor 5.1 5.2 5.1 3.9

Schizophyllum commune 5.1 5.4 6.2 5.5

56 B. Piškur et al.



were determined per kilogram of wood dry mass. Fungal growth was more intense

on smaller wood chips (7–16 mm) and in the first months the number of spores

increased by 8–20 times but remained constant afterwards. The number of spores on

larger chips increased after 3 months. The most abundant fungal groups that are

usually isolated from the wood chips are Acremonium sp., Mortierella sp.,

Trichoderma sp., Mucor sp., Bjerkandera adusta, Gloeophyllum sepiarium,
P. chrysosporium, Phlebiopsis gigantea, Trametes versicolor, Ceratocystis sp.,

Ophiostoma sp., Graphium sp., Aureobasidium sp., Alternaria sp., Trichoderma
sp., Aspergillus sp., Gliocladium sp. and Penicillium sp. (Zabel and Morrell 1992;

Jirjis 2005; Schmidt 2006).

3.2.1.1 Succession

Fungal succession is a sequence of occurrence or presence and space arrangement

of fungal species, which form a community in a defined ecological niche (adapted

from Frankland 1998; Hyde and Jones 2002). Simultaneous effect of biotic and

abiotic factors importantly influences the course of fungal appearance. Succession

processes alter nutrients’ proportions and characteristics of ecological niches.

Primary colonisers exploit easily accessible nutrients and are followed by species,

involved in cellulose, hemicelluloses and lignin degradation. At the same time,

fungal and bacterial biomass is formed, which represents a new nutritive compo-

nent in the ecological niche (Boddy 2001; Ponge 2005). Time pattern of a common

succession involves bacteria, moulds and blue stain fungi, followed by white- and

brown-rot fungi (Eaton and Hale 1993; Schmidt 2006). Nitrogen, metals, water and

fungal metabolites (organic acids, toxins, antibiotics) increase with time.

Intermediates of degradation processes influence the fungal community and are

mineralised or integrated into soil organic components during decomposition

processes (Boddy 2001; Ponge 2005). Various fungal species and populations

and other organisms, competing for available nutrients, may be present in the

substratum. Fungal interactions influence the dynamics of the complete fungal

community and the course and extent of wood degradation (Vesel Tratnik and

Table 3.3 Losses of mass and modulus of elasticity (MOE) of Norway spruce wood (P. abies)
specimens exposed to brown-rot fungi

Weeks of exposure

Wood decay fungi

Gloeophyllum trabeum Antrodia vaillantii

Mass loss (%) MOE loss (%) Mass loss (%) MOE loss (%)

0 0.0 (0.0) 2.3 (1.0) 0.0 (0.0) 2.3 (1.0)

1 �0.1 (0.2) 7.4 (1.8) 0.1 (0.0) 8.3 (3.4)

2 2.6 (1.2) 12.0 (3.6) 4.5 (1.1) 16.4 (6.2)

4 13.0 (3.6) 47.5 (7.4) 10.2 (1.8) 38.6 (5.9)

8 28.0 (8.8) 76.0 (10.9) 14.3 (3.2) 40.5 (8.3)

Standard deviations (n ¼ 5) are given in parenthesis
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Pohleven 1995; Woodward and Boddy 2008). Competition is the usual interaction

among wood-degrading fungi. Capture of not yet colonised substratum depends on

various factors, such as the capacity of fungal inoculum to be established, spore

germination, rate of the mycelium spread, efficiency of substratum exploitation, etc.

But, when the substratum is already colonised, the antagonistic mechanisms

(volatile or diffusible compounds, parasitism, antifungal substances at the contact

of two mycelia, firm sclerotial plates) are crucial factors for fungal growth. The

colonising fungus can occupy only a part or the whole territory previously infected

by another fungus. A deadlock appears when none of the competing fungi gain a

competing advantage (Boddy 2000; Woodward and Boddy 2008).

Bacteria are the early colonisers of wood, exploiting easy available and degrad-

able nutrients, like sugars, organic acids, pectin and cellulose (Clausen 1996). Some

bacteria are reported to partially degrade cellulose and a minor part of lignin, thus

having only little effect on wood degradation. Nevertheless, they have an important

indirect influence on wood degradation through their effects on wood-degrading

fungi (de Boer and Van der Wal 2008).

3.2.1.2 Endophytic Fungi

Wood decay fungi have a salient role in colonisation and degradation of wood by

attacking wood cell components through enzymatic and nonenzymatic systems

(Kirk and Farrell 1987; Zabel and Morrell 1992). In the initiation phase of wood

decay fungal endophytes could have an important influence as they were shown to

be capable of producing wood decay enzymes (Baum et al. 2003; Oses et al. 2006).

The existence of fungal endophytes has been known since 1866, when Anton de

Bary coined the term endophyte to denote the microflora in the inner tissues of

plants (de Bary 1866). Fungal endophytes are fungi that colonise tissues of living

plants and cause unapparent and asymptomatic infections entirely within plant

tissues and for all or part of their life cycle cause no symptoms of disease in the

invaded plant (Wilson 1995; Oses et al. 2006). Latent infections, present in healthy

tissues, are probably triggered into the active phase by water loss and increased

oxygen concentration. Endophytes can spread through the tree via xylem sap. In the

research performed by Baum et al. (2003), few fungi were isolated from wood

immediately after felling, but a larger number of isolates was cultivated after few

weeks of wood incubation under sterile conditions. Basidiomycetes had a longer

incubation period for penetration from wood samples compared to ascomycetes.

There is also considerable circumstantial evidence that development of these latent

propagules into mycelia, which cause decay, occurs in the field when sapwood

begins to dry, as a result of drought, root damage or loss of transpiring canopy

(Boddy 1994). Nevertheless, mechanisms by which decay fungi invade and degrade

wood in living and dead trees are still unresolved (Eaton 2000). Some endophytes

are potentially pathogenic (e.g. Fomes fomentarius, Nectria coccinea,
Botryosphaeria dothidea, Cenangium ferruginosum, Biscogniauxia mediterranea),
but disease can only develop in combination with other, mostly unknown,
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triggering factors (oxygen ratios, nutrient availability, water stress, etc.) (Jurc et al.

2000; Jurc and Ogris 2006; Sieber 2007; Moricca and Ragazzi 2008; Piškur et al.

2011b). Within the lifecycle of at least some wood decay fungi, there is an

endophytic phase in which fungi do not degrade xylem (Boddy and Rayner 1983;

Petrini and Fisher 1990; Kowalski and Kehr 1992; Eaton 2000; Baum et al. 2003;

Oses et al. 2006, 2008; Parfitt et al. 2010). Epiphytes and endophytes that frequently

colonise tissues of living leaves can also have a leading role in leaf litter decompo-

sition. These fungi are reported to be primarily saprobic, being specifically adapted

to colonise and utilise dead host tissues. Some species have the ligninolytic activity,

which most likely has an important role in decomposition processes. For example,

xylariaceous endophytes with ligninolytic activity persist until the late stages of

decomposition and have important roles in further decomposition processes of

structural components, nutrient dynamics and accumulation of soil organic matter

(Osono 2006). On the other hand it was revealed that xylareaceous fungi which are

totally adapted to endophytic life and colonise the branches extensively are rare in

dead branches (Kowalski and Kehr 1996). It seems that the succession processes are

governed by subtle environmental differences and competition relations leading to

extremely diversified end results.

Diversity of endophytic fungal species in trees is high, for example, in twigs of

Carpinus caroliniana more than 120 species were detected (Bills and Polishook

1991; Sieber 2007). In healthy needles of Pinus nigra, 99 taxa of endophytes were

reported and they could be assigned to parasitic, facultative parasitic or saprobic

mode of nutrition (Jurc and Jurc 1995; Jurc 1997). Species density and diversity

below species level are also high within small volumes of tissues (Sieber 2007).

This diversity is largely not identified and Sieber (2007) projects that around

465,000 endophytic species are undescribed. This large diversity of endophytic

fungi has an enormous but unexploited potential for bioremediation.

3.2.2 Intermediates and Products of Wood Degradation

Decomposition of plant debris and its conversion to smaller organic fragments,

production of organic acids and creation of anaerobic conditions are examples of

ways in which soil microflora can influence the soil formation (Elliot et al. 1986).

Easily degradable substances, such as proteins, starch and cellulose, are

rapidly consumed by fungi, bacteria and other organisms. Through these processes,

numerous by-products appear, such as NH3, H2S, CO2, organic acids and other

incompletely oxidised substances. Organic acids are also constituents of mineral

soils and are important in the mobilisation and transport of metals, rock weathering

and solubilisation. The final stage in the succession of decomposition processes

includes decomposition of more resistant organic material, like encrusted

hemicellulosesmolecules and lignin (Stevenson 1982; Gadd 2007; Piškur et al. 2009).

Soil organic matter is formed from a complex and amorphous mixture of organic

colloids and partially decomposed plant, animal, fungal and other microbial
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biomass. Processes of wood degradation and type of plant biomass under degrada-

tion significantly influence the composition and quantity of humic substances in

soils. Wood degradation products and fungal and other microbial activities together

with their influence on succession have an important role in formation of organic

soil components (Swift 1977; Anderson and Domsch 1986; Chefetz et al. 1996).

Humus is a major organic component of soil, formed by relatively inert humic

substances and nonhumic material, like amino acids, carbohydrates and lipids. Both

components are connected with covalent linkages and are difficult to separate

(Stevenson 1982). The crucial source of soil humus are plant residues and the

humic structures reflect the respective ecosystem and the source of organic matter

(Shevchenko and Bailey 1996). Humic substances have important environmental

functions due to their role in redox reactions, sorption, complexation and transport

of pollutants, minerals and trace elements, sustaining plant growth and soil structure

and controlling the biogeochemistry of organic carbon (summarised by Stevenson

1982; Grinhut et al. 2007). Fungi most likely have a dominant role in the formation,

transformation and degradation of humic substance, especially in forests and areas

with large amount of organic matter. Degradation and mineralisation of humic

substance are led mainly by white-rot fungi, while modification and polymerisation

is carried out by ascomycetes (Grinhut et al. 2007). Environmental factors, like

nitrogen deposits, global environmental changes and forest practices, can alter the

rate of lignin degradation (Ishikawa et al. 2007; Osono 2007).

3.3 Wood Degradation Processes by Fungi

3.3.1 White-Rot Fungi

White-rot fungi are able to degrade lignin more efficiently than other microbial

groups. The degradation of lignin by white-rot fungi is an aerobic oxidative process

(Kirk and Farrell 1987; Hammel 1996; Sanchez 2009). Nonspecific white-rot fungi

degrade lignin, cellulose and hemicelluloses simultaneously and others cause

selective delignification; that is, they remove lignin before the degradation of

other cell wall components occurs (Zabel and Morrell 1992; Tuomela et al. 2000;

Martinez et al. 2005). Partial degradation of lignin is caused by brown-rot fungi as

well. This type of wood decay decomposes the polysaccharides in plant cell walls

and leaves behind a brown, modified lignin residue (Kirk and Farrell 1987; Hammel

1997; Tuomela et al. 2000). The lignin-degrading system is based on extracellular

oxidative enzymes, among which the principal ones are lignin peroxidases (LiP),

manganese peroxidases (MnP) and laccases (Lac). Not all white-rot fungi produce

all three enzyme types and different combinations of these enzymes are found

among fungal species. Ligninolytic enzymes catalyse the oxidation of lignin, during

which lignin free radicals are formed. The latter are chemically instable and carry

out spontaneous nonenyzmatical degradative reactions, including aromatic ring and
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carbon–carbon bond cleavage, hydroxylation, demethylation, etc. Finally, the lig-

nin macromolecule is spontaneously broken into smaller subunits (Kirk and Farrell

1987; Zabel and Morrell 1992; Hammel 1996; Pointing 2001; Sanchez 2009).

Both LiPs and MnPs are haem-containing glycosylated peroxidases. Just like

other peroxidases, hydrogen peroxide, which is produced by H2O2-generating

oxidases, is required for their functioning (Bennet et al. 2002; Martinez 2007).

After LiPs are oxidised by H2O2, they oxidise the substrate (lignin) themselves,

producing free radicals. The oxidised LiPs are reduced back to their native state by

two consecutive one-electron oxidations of the substrate. LiPs are stronger

oxidising agents as other peroxidises and have the ability to degrade even

non-phenolic units of lignin (Kirk and Farrell 1987; Aust 1995; Sanchez 2009).

The mode of action of MnPs is similar to that of LiPs. After being oxidised by

H2O2, MnPs are reduced to the initial state by two oxidations of Mn (II) to Mn (III).

The latter, chelated by various organic acids, may act as diffusible oxidisers, acting

on phenolic and non-phenolic lignin units and generating cation radicals in lignin

during the decay process (Aust 1995; Hammel 1996; Sanchez 2009).

Laccases belong to polyphenol oxidases, which contain copper atoms in their

catalytic centre (Thurston 1994). These extracellular glycoproteins catalyse the

reduction of oxygen to water, and one-electron oxidation of the substrate, usually

a phenolic compound, occurs concomitantly. In fungi, laccases have several

functions, including lignin degradation (Thurston 1994; Baldrian 2006).

Even white-rot fungi, despite their exceptional ability to degrade lignin, cannot

use lignin as a sole source of carbon and energy directly (Hammel 1997; Sanchez

2009). Lignin biodegradation occurs in secondary metabolism under nutrient,

mostly carbon and nitrogen, limitation. Such mechanism enables fungi to consume

the more easily accessible substrates rather than spending valuable energy for the

synthesis of metabolically expensive ligninolytic enzymes (Hammel 1997).

Therefore, through lignin-degrading processes fungi gain access to otherwise

well-protected cellulose and hemicelluloses (Hammel 1997; Pointing 2001).

Using wood decay fungi for bioremediation (mycoremediation) is possible on a

wide range of pollutants. Above all, white-rot fungi show the capability of

degrading a variety of organic pollutants. Degradation of xenobiotics is thought

to involve lignin-degrading system with its extracellular enzymes (Lac, LiPs and

MnPs). Expression of ligninolytic genes is in general repressed by the presence of

easily available nutrients (e.g. glucose) and induced in the presence of substrate

polymers or their derivatives. The production of these enzymes is triggered by

nutrient deficiency rather than by the presence of the pollutant (Bumpus et al. 1985;

Kirk and Farrell 1987). However, there have been reports on the production of

ligninolytic enzymes even in nutrient-sufficient media (Moreira et al. 1997; Janse

et al. 1998). Laccase genes are transcribed at low constitutive levels in many

basidiomycetous species (Cullen 1997; Aro et al. 2005). The expression can be

enhanced using inducers, such as aromatic compounds, including degradation

products of lignin, which also induce expression of other ligninolytic genes

(Muñoz et al. 1997; Scheel et al. 2000).
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3.3.2 Brown-Rot Fungi

On the contrary, brown-rot fungi predominately degrade cellulose. One of the

issues related to cellulose degradation is the fact that cellulose is surrounded by

lignin preventing fungal enzymes to penetrate the cell wall, as they are too large.

Therefore, the first degradation phases of brown-rot decay are nonenzymatic. Initial

wood degradation is described by two mechanisms: Fenton’s reaction and excretion

of the organic acids. The first stages of decay are recognised by strength loss,

accumulation of ions, decreased pH value of wood, etc. (e.g. Shortle 1990). pH

changes of the infested wood are observed in vitro considerably before mass loss

can be detected (Table 3.2).

Ions accumulating in wood infected by fungi can be associated with markedly

increased acidity of wood (drop in pH) at all stages of decay (Table 3.2) (Shortle

1990). A substantial reduction of the pH values caused by fungi was observed both

in liquid cultures and in solid wood substrates. Especially brown-rot fungi were able

to cause a significant reduction of pH of wood. White-rot fungi were also associated

with a pH decrease of degraded wood, though to a lesser extent (Jellison 1992).

Oxalic acid has an important role in the production of acidic environment (Takao

1965; Shimada et al. 1994). Oxalic acid is a small organic acid with two low pK
values (pK1 ¼ 1.27 and pK2 ¼ 4.26). It is often produced in great quantities by

brown-rot fungi (Fig. 3.1) (Takao 1965; Green et al. 1991) and may be a very strong

candidate for the central role in the production of the acid environment associated

with brown-rot colonisation of wood (Jellison et al. 1997). Additionally, incipient

brown-rot decay is similar to acid hydrolysis and is characterised by acid produc-

tion (Green et al. 1991). Lastly, fungi produce and secrete many compounds

containing acidic groups, such as phenolic acids and other simple organic acids,

generated during metabolism (Jellison et al. 1997).

However, it should be considered that in the latter stages of cellulose

degradation, enzymes are involved as well, predominately cellulases. Cellulase is

an enzyme complex which breaks down cellulose to beta-glucose. Cellulases are

Fig. 3.1 Calcium oxalate

crystals in the cell lumina of

the Norway spruce (P. abies)
wood specimens exposed to

brown-rot fungus Antrodia
vaillantii
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widely distributed throughout the biosphere and are mostly manifested in fungal

and microbial organisms. Cellulases refer to a family of enzymes which act in

concert to hydrolyse cellulose. Three general types of enzymes make up the

cellulase enzyme complex. Endocellulase breaks internal bonds to disrupt the

crystalline structure of cellulose and expose individual cellulose polysaccharide

chain. Exocellulase cleaves 2–4 units from the ends of the exposed chains

produced by endocellulase, resulting in tetrasaccharides or disaccharides such as

cellobiose. Cellobiase or beta-glucosidase hydrolyses the endocellulase products

into individual monosaccharides (Eaton and Hale 1993).

The principle of the application of brown-rot fungi in bioremediation

(bioleaching) processes is to convert the insoluble heavy metals found in waste

wood into a soluble fraction through acidification with organic acids. Only then can

the soluble heavy metal complex be leached from the wood. Thus, both the

remediated wood fibre and metals can be reclaimed and recycled. The most

important acid involved in this process is oxalic acid (Jellison et al. 1997). The

most efficient oxalic-acid producers and consequently the most tolerant fungal

isolates are found in the genus Antrodia (Shimada et al. 1994). Other wood-

decaying fungi produce significantly lower concentrations of oxalic acid. Instead

of oxalic acid, these fungi excrete other organic acids such as acetic and formic

acids in order to optimise the pH value of the substrate (Shimada et al. 1994).

Oxalic acid can react with insoluble chromium in wood to form chromium oxalate,

which is soluble and can be leached out of wood. On the other hand, copper oxalate,

which is formed between copper and oxalic acid, is insoluble and can only be

leached with an ammonia solution (Humar et al. 2002a).

3.4 Establishment and Monitoring of Mycoremediation

Systems

Natural microbial and fungal communities found in degraded and/or contaminated

soils represent the heterogeneous potential for remediation. But ecological factors

(nutrient availability, pH, unfavourable physiochemical properties, etc.) can hinder

and prolong the restoration processes. The remediation potential of indigenous

microflora can be enhanced with the addition of nutrients (biostimulation) or with

the addition of living exogenous organisms into the remediated substrate

(bioaugmentation). Referring to Sect. 3.2.1.2, the substrate used for biostimulation

or as an organic amendment can also carry a variability of organisms that can

express bioremediation potential.

Variable and complex microbial communities have a favourable effect on the

stability of the ecosystem and stress resistance (Tilman 1996; McGradySteed et al.

1997; Bengtsson et al. 2000; Guimaraes et al. 2010). Supplements of saprophytic

fungal species were noted to importantly influence on the structure of microbial

communities (Andersson et al. 2003; Tornberg et al. 2003; Woodward and Boddy

2008; Piškur et al. 2011a). Some papers report inhibitory influence of the addition
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of white-rot fungi on the richness of microbial communities (Andersson et al. 2003;

Piškur et al. 2011a), while others state the opposite (Federici et al. 2007).

The unique ligninolytic system of basidiomycetes inspired researchers to take

advantage of white-rot fungi in various applications, including bioremediation of

degraded or contaminated soils. However, when these fungi, normally living in

wood, are inoculated into soil ecosystem, they encounter different problems,

including soil-inhabiting fungi and bacteria, different nutrient status and

characteristics of the environment and a much more heterogeneous environment

compared to wood. To support the growth of inoculated white-rot fungi, addition of

nitrogen and carbon sources is required. Different lignocellulosic substrates are

usually applied, like corn cobs, straw, wood chips, bark and peat. Additionally,

larger quantities of fungal inoculum reflect in faster and more successful

colonisation (Leštan and Lamar 1996; Leštan et al. 1996; Baldrian 2008). As

summarised by Ford et al. (2007), the amount of fungal addition into contaminated

soils used in different studies ranges from 30 to 250 g kg�1 on a dry weight basis of

colonised fungal inoculum to soil.

Selection of suitable fungal species, isolate and substrate for fungal growth is

a fundamental step in the planning of mycoremediation technology. White-rot

species have different abilities to survive and colonise soil. In the research by

Tuomela et al. (1998), Šnajdr and Baldrian (2006) and as summarised by Baldrian

(2008), species P. chrysosporium, Trametes versicolor and Pleurotus ostreatus
were the most successful soil colonisers and strong competitors. Some wood-

degrading fungi like Gymnopilus penetrans and G. luteofolius usually found on

branches, stumps or roots and some other species like Stropharia rugosoannulata
can also actively colonise soil ecosystems and can be used for bioremediation

purposes (Valentin et al. 2009; Winquist et al. 2009; Steffen and Tuomela 2010).

Nevertheless, this information should not be taken by itself. Fungal colonisation

abilities and the success of remediation are dependent on numerous factors,

especially in field experiments (Tornberg et al. 2003). Bioremediation of

contaminated soils is usually treated with bioslurry reactors, biopiles, landfarming

and restoration on site (Mougin et al. 2009; Piškur 2009).

Properties of fungal inocula, such as composition, age, methods of inoculation

and moisture, affect the successfulness of bioremediation. As shown by Leštan et al.

(1998), viability of mycelia fragments does not depend on the size of the fragments.

Fungal spawn (inoculum) is usually produced on wood chips, bark, straw and some

other agricultural waste products with the addition of nitrogen source, like wheat

grain. Novel technologies use encapsulated inoculum, which is reported to improve

survival and effectiveness of introduced fungi. As a mycelium carrier, various

hydrogels and pelleted substrates made from carbon and nitrogen sources are

used (Leštan and Lamar 1996; Leštan et al. 1998; Bennet et al. 2001; Schmidt

et al. 2005; Ford et al. 2007; Giubilei et al. 2009; Piškur 2009; Piškur et al. 2009).

The selection of remediating fungal isolate should consider the following

aspects: autochthonous fungal species, nonpathogenicity to plants and other

organisms, noninvasiveness to adjacent areas, efficacy to degrade wood or

pollutants, good competitiveness, etc. Additionally, the selection of biodegradation

agents should also be considered beyond the species level, where further potential
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for biodegradation purposes could be revealed (Piškur et al. 2009). One should be

aware of the fact that inoculated fungus represents a disturbing factor for normally

occurring succession pathways. Application of selected fungal isolate into the

environment should only be performed after careful considerations of all

advantages and disadvantages.

3.4.1 Monitoring

Monitoring of established mycoremediation systems includes various methods,

from the simple visual inspection for mycelium growth and formation of fruit

bodies to methods measuring ergosterol contents and activities of ligninolytic

enzymes. Products of wood degradation (e.g. volatile organic acids, mass loss,

lignin degradation, etc.) and the amount of organic matter are also indicators of

successfulness of the mycoremediation system. Respiration rates and temperature

changes could also give an insight into successive processes after inoculation.

Evaluation of microbial communities in complex systems represents a unique

challenge. A frequent estimation of all fungal species is around 1.5 million

(Hawksworth 2001). Ecological studies of wood decay fungi are usually limited

to the inventory of fungal fruiting bodies and to the cultivation techniques on

different growth media (Vainio and Hantula 2000). In some species, formation of

fruiting bodies is rare, variable and usually depends on growth factors. Isolation and

cultivation of mycelia cultures under laboratory conditions accelerate the quickly

growing species, and just around 17 % of all currently known fungi are cultivable

on growth media (Vainio and Hantula 2000; Bridge and Spooner 2001; Hunt et al.

2004). The development of microbial communities and the influence of exoge-

nously added substratum with or without fungal inoculum are nowadays usually

monitored with the application of molecular methods, and analyses of DNA

sequences, obtained from environmental samples, are becoming a valuable tool in

the ecosystem research (Jellison and Jasalavich 2000). Molecular profiling

techniques include extraction of the total genomic DNA from environmental

samples (i.e. metagenomic DNA), amplification of a part of chromosomal DNA

and separation of amplified products with agarose or polyacrylamide gel electro-

phoresis. Microbial diversity is usually studied using denaturing gradient gel

electrophoresis (DGGE), temperature gradient gel electrophoresis (TGGE),

terminal restriction fragment length polymorphism (T-RFLP) and single-strand

conformation polymorphism (SSCP) (Kirk et al. 2004). The DGGE method was

first used in 1993 for determining the bacterial community in biofilms (Muyzer

et al. 1993). Afterwards, the method was also applied to the studies of fungi in

different environments (Kowalchuk et al. 1997; van Elsas et al. 2000; Arenz et al.

2006). With DGGE method, dominant groups are detected and thus, the obtained

fingerprints are actually a reflection of PCR products. DGGE is a suitable method

for detection of shifts in microbial communities after, for example, addition of

fungal inoculum (Nocker et al. 2007; Piškur et al. 2011a). Even though molecular

methods are a popular tool, there are numerous deficiencies while performing them
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and analysing the obtained data. Critical accession to the evaluation of the results is

therefore necessary (Muyzer and Smalla 1998).

3.5 Conclusions

The revitalisation of degraded and contaminated areas is a slow and long-term

process, where a variety of different organisms and abiotic factors take part.

Exogenously added organisms into such a sensitive system can hinder the develop-

ment of indigenous community and repress the establishment of the ecosystem

equilibrium.

When planning to establish remediation systems in the field, great attention

should be paid to the impact of such strategies on the environment and the

communities of different organisms. Laboratory experiments and experiments in

mezo-conditions should be carefully planned and conducted. Even though,

experiments in nature represent a unique and unpredictable research work and as

such cannot be defined in an exact way.

Additionally, the knowledge about pathogenicity and dissemination of added

organism is necessary. A thorough and careful selection for the final selection of

remediating agents should be performed. Heterogeneous spectre of organisms and

also different isolates should be tested “in vitro” in advance.

Monitoring of established mycoremediation system gives valuable information

about the successfulness and the stability of such environments. Nevertheless, we

should be aware of the pros and cons of the selected methods and also of the

organisms involved. However, wood decay fungi and other organisms represent a

research challenge and enormous possibilities for the salvation of environmental

problems. Still, the application of mycoremediation strategies in nature should be

executed with caution and scepticism.

Instead of conclusion, we would like to direct the reader towards some recent

review papers and books dealing directly or indirectly with mycoremediation:

Harms et al. (2011) described the metabolic and ecological features of fungi,

important for bioremediation applications; Guimaraes et al. (2010) published a

review paper about recent progresses in soil bioremediation technology; in their

chapter, included in the Industrial Applications, Steffen and Tuomela (2010)

represent developments in large-scale applications of fungal soil bioremediation;

Baldrian (2008) argued the applicability of wood-inhabiting ligninolytic

basidiomycetes in soils; Gadd (2007) emphasised the importance of fungi in

geomycology. Several books on applicability of fungi in bioremediation

technologies (e.g. Gadd 2001; Singh 2006) and about ecology of wood decay

fungi (e.g. Jonsson and Kruys 2001; Dighton et al. 2005; Boddy et al. 2008) were

published as well.
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68 B. Piškur et al.



Elliot ET, Hunt HW, Walter DE, Moore JC (1986) Microcosms, mesocosms and ecosystems:

linking the laboratory to the field. In: Megušar F, Gantar M (eds) Perspectives in microbial
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Zbornik gozdarstva in lesarstva 46:163–176

Vidic I (2008) Degradation of chlorinated organic biocides by lignolytic fungi. MSc thesis,

University of Ljubljana, Ljubljana, Slovenia

Visser S, Maynard D, Danielson RM (1998) Response of ecto- and arbuscular mycorrhizal fungi to

clear-cutting and the application of chipped aspen wood in a mixedwood site in Alberta,

Canada. Appl Soil Ecol 7:257–269

Wilcox WW (1993) Comparative morphology of early stages of brown-rot wood decay. IAWA J

14:127–138

Wilson D (1995) Endophyte – the evolution of a term, and clarification of its use and definition.

Oikos 73:274–276

Winquist E, Valentin L, Moilanen U, Leisola M, Hatakka A, Tuomela M, Steffen KT (2009)

Development of a fungal pre-treatment process for reduction of organic matter in contaminated

soil. J Chem Technol Biotechnol 84:845–850

Woodward S, Boddy L (2008) Interactions between saprothropic fungi. In: Boddy L, Frankland

JC, Van West P (eds) Ecology of saprotrophic basidiomycetes. Elsevier, Amsterdam,

pp 125–141

Zabel RA, Morrell JJ (1992) Wood microbiology. Decay and its prevention. Academic, San Diego
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Chapter 4

Mycoremediation of Paper, Pulp and Cardboard

Industrial Wastes and Pollutants

Shweta Kulshreshtha, Nupur Mathur, and Pradeep Bhatnagar

4.1 Introduction

The importance of paper is increasing day by day with the literacy and cultural

development of countries. Demand of paper has dramatically increased in the past

several years. This demand is satisfied by different types of paper and pulp

industries existing in different countries. Paper and pulping operations and washout

operations in paper and pulp industries have resulted in soil and water contamina-

tion with unused and discharged residues and effluents.

Improperly handled and disposed paper and pulp and cardboard industrial wastes

imperil both human health and the environment. Paper and pulp (Klekowski et al.

2006) have proved toxic and mutagenic to human beings (Kulshreshtha et al.

2010a). Occupational and nonoccupational exposures of human beings to these

industrial wastes have led to various health effects such as headaches, nausea, lung

and skin irritations and congenital malformations (Shinka et al. 1991; Morikawa

et al. 1997) and cancer (Felton et al. 2002).

Industrial development is pervasively connected with the disposal of number of

toxic pollutants. Pollutants present in wastes are the major point of concern in many

countries. Some of these pollutants require a high priority of treatment for

protecting useful resources such as soil, water, air, etc. A growing concern for

continuing deterioration of environment and public health has led to establishment

S. Kulshreshtha (*)

Amity Institute of Biotechnology, Amity University of Rajasthan, Jaipur, Rajasthan, India

e-mail: shweta_kulshreshtha@rediffmail.com

N. Mathur

Department of Zoology, University of Rajasthan, Jaipur, Rajasthan, India

e-mail: nupurmathur123@rediffmail.com

P. Bhatnagar

Department of Life Sciences, The IIS University, Gurukul Marg, Mansarovar, Jaipur,

Rajasthan, India

e-mail: pradeepbhatnagar1947@rediffmail.com

E.M. Goltapeh et al. (eds.), Fungi as Bioremediators, Soil Biology 32,

DOI 10.1007/978-3-642-33811-3_4, # Springer-Verlag Berlin Heidelberg 2013

77

mailto:shweta_kulshreshtha@rediffmail.com
mailto:nupurmathur123@rediffmail.com
mailto:pradeepbhatnagar1947@rediffmail.com


of legislation for control of quality of effluents and receiving water. Various

government norms have also been made more and more stringent for the sake of

nature. The environmental norms are made so strict in the countries like China

that there has been a closure of almost 50 % of the papermaking units during the last

10 years (approximately 7,000 units in 1995 and only 3,500 in 2005) due to the

use of inefficient procedures, outdated technologies, poor product quality and

environmental ill effects. Similarly in India, in 1996, Supreme Court gave as

many as 12 verdicts in pollution-related areas. Delhi Government had to shut

down over 2,000 small-scale industries as a result of the Supreme Court’s verdict

in Nov. 2000 that no polluting industry must be allowed to operate in Delhi’s

residential areas. However, despite the regulations for toxic discharges into the

environment, many situations exist in which discharging of paper and cardboard

industrial pollutants and wastes to the water body is still a practice in many

developing countries. For small-scale industries, environmental concerns are con-

sidered as just a good wish better to avoid and the pollution control measures are

considered as a luxury which couldn’t be afforded by the small-scale sector.

However, now the situation is changing even for them, and the implementations

of environment protection will have to proceed in a manner that sustains the

economic health of the industries, yet ensures human health and environmental

quality. Setting up a treatment plant at industrial level may be the ultimate solution

for pollution caused by paper and cardboard industries. The common effluent

treatment facilities are being created in the different industrial clusters at the

small level.

Therefore, it becomes imperative to completely degrade paper and cardboard

industrial pollutants which cannot be completely degraded by well-established

techniques like conventional wastewater treatment methods. In recent years, there

has been increasing interest in developing mycological techniques for remediation

of paper and pulp industrial wastes which contaminate soil and water. Fungi can

degrade paper and pulp industrial wastes by using their own enzymatic pathways.

The main objective of bioremediation processes is to mineralise and degrade

organic and inorganic contaminants.

4.2 Overview of Bioremediator Fungi for Remediation

of Paper and Cardboard Industrial Wastes

To use fungi as agent of mycoremediation, it is necessary to know what makes

paper—a good substrate for fungal growth. Paper is made up of cellulose- and

lignin-containing fibres which are obtained from various sources such as agricultural

residues, trees, cotton and linen rags, etc. Fungi can use lignin and cellulose for their

growth and lead to the remediation of paper and cardboard industrial waste from the

environment. This reveals the requirement of fungi that degrade lignin and cellulose

by secreting nonspecific extracellular enzymes for remediating paper, cardboard and

their industrial discharges. Generally, lignin and cellulose degrading fungi can be

divided into two major categories, i.e. white-rot fungi and non-white-rot fungi.
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White-rot fungi have ability to degrade lignin and chlorinated lignin derivatives

effectively which are present in pulp, paper and cardboard industries (Eriksson

1991; Bajpai and Bajpai 1994) due to the production of a variety of extracellular

ligninolytic enzymes such as lignin peroxidase, manganese peroxidase, laccase

and H2O2-producing oxidases. Degradation of lignin is apparently a very energy-

intensive process (Leisola et al. 1983; Boman et al. 1988) and requires specific

cultivation conditions, necessary for the production of ligninolytic enzymes by

white-rot fungi to degrade lignin (Boman et al. 1988). Various cultivation methods

have been devised to overcome these difficulties. For instance, MyCoR process,

MYCOPOR-system (Jaklin-Farcher et al. 1992), continuous-flow systems (Prasad

and Joyce 1991) and immobilisation techniques employing white-rot fungi

(Livernoche et al. 1983; Kirkpatrick et al. 1990) (Table 4.1).

Non-white-rot fungi also possess extracellular oxidative enzymes, in particular,

lignin-degrading enzyme systems (LDS), for remediation of paper and pulp indus-

trial wastes. These fungi may be present in the pulp and paper industrial waste

indigenously and possess a well-developed lignin-degrading enzyme system which

helps in bioremediation of lignin- and cellulose-containing waste. Autochthonous

non-white-rot fungal strains are able to use lignin cellulose as carbon and energy

source. Many fungal strains have been reported to be isolated from soils polluted by

paper, pulp and cardboard industrial wastes (Table 4.3) belonging to the

phycomycetes, zygomycetes and deuteromycetes. Phenotypic and biochemical

assays revealed the ability of these filamentous fungi to synthesise extracellular

oxidative enzymes and suggested a relationship between the LDS and paper and

cardboard waste bioconversion.

Interest in mycoremediation of paper and pulp industrial waste logically led

scientists to evaluate the potential of fungi for degrading cellulose, lignin, AOX,

resins and polychlorobiphenyls (PCBs) present in paper and pulp industrial wastes.

It is particularly of interest that fungi, applied for mycoremediation, is capable of

producing extracellular enzymes in ligninolytic and non-ligninolytic conditions.

Table 4.1 Comparison of the properties of MnP, LiP and Lac from white-rot fungi

(Wesenberg et al. 2003)

Properties

Manganese

peroxidase (MnP) Lignin peroxidase (LiP) Laccase (Lac)

E.C. no. 1.11.1.13 1.11.1.14 1.10.3.2

Prosthetic

group

Mn(II):H2O2

oxidoreductases

Heme

Diarylpropan O2, H2O2

oxidoreductases

Heme

p-benzenediol:
O2-oxidoreductases

1 type-1 Cu, 1 type-2 Cu,

2-coupled type-3 Cu

MW(kDa) 32–62 38–47 59–110

Glycosylation N- N- N-

Isoforms Monomers, up to 11 Monomers, up to 15 Mono-, di-, tetramers; several

C–C cleavage Present Present Absent

H2O2—

regulated

Regulated Regulated Not regulated

Stability Highly stable Stable Highly stable
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4.3 Overview of Fungal Enzymes Involves in Remediation

of Paper and Cardboard Industrial Wastes

Fungal species, used for mycoremediation of paper and pulp mill waste and its

constituents, are able to produce different enzymes depending on their genetic

make-up and growth conditions. Ligninolytic fungal enzymes that degrade lignin

also have potential to remediate the paper and pulp industrial waste. Due to

non-specificity of enzymes, these can also transform a variety of organic and

chloro-organic compounds. Key lignin degradation enzymes are oxidoreductases,

i.e. two types of peroxidases, lignin peroxidase (LiP), manganese-dependent

peroxidase (MnP), manganese-independent peroxidase (MIP) and a phenoloxidase,

laccase. Lignin-degrading enzymes are applicable in the degradation of highly toxic

environmental chemicals such as dioxins, polychlorinated biphenyls, various dyes

and polyaromatic hydrocarbons and decolourisation of kraft bleach plant effluents.

Fungal enzyme treatments have the major advantage of requiring only a small

stream of the process water to be cooled for generation of fungal culture filtrate with

most of the degradation of detrimental organics being accomplished by enzyme

(fungal culture filtrate) that function well at process water temperatures up to 75 �C.
It is probable that enzymatic treatment will be relatively inexpensive and environ-

mental friendly.

4.3.1 Lignin Peroxidase

LiPs are glycosylated heme proteins protoporphyrin IX which is differing in their

catalytic mechanisms. LiPs act by abstracting single electron from aromatic rings of

lignin and lignin model compounds, leading to the formation of cation radical and

subsequent cleavage reactions.

These enzymes are potentially valuable in pulp, paper and cardboard industrial

waste disposal because of their ability to degrade not only lignin but also various

pollutants. These enzymes are produced by white-rot fungi (WRF) including edible

and nonedible mushroom species, during their secondary metabolism. Since lignin

oxidation provides no net energy to the fungus, synthesis and secretion of these

enzymes are often induced in limited nutrient levels (mostly carbon and nitrogen)

along with hydrogen peroxide. LiP interacts with lignin in the presence of a cofactor

called veratryl alcohol (a secondary metabolite of white-rot fungi).

4.3.2 Manganese-Dependent Peroxidase

MnP are glycosylated glycoproteins (mol. wt. 32–62.5 kDa) with an iron porphyrin

IX (heme prosthetic group) and are secreted in multiple isoforms. MnP
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preferentially oxidise Mn2þ into Mn3þ which is stabilised by chelators (oxalic

acids) excreted by the fungi. Generated Mn3þ, a highly reactive intermediate,

which, when stabilised by chelators, can diffuse from the enzyme active site to

attack and oxidise the lignin structure in situ. Thus, MnP are able to oxidise and

depolymerise lignin and other compounds present in paper and pulp mill effluent.

4.3.3 Laccases

Fungal laccases (Lacs) are produced by basidiomycetes as part of the ligninolytic

enzyme system. This group of N-glycosylated extracellular blue oxidases with

molecular masses of 60–390 kDa contains four copper atoms in the active site

that are distributed among different binding sites. Laccases catalyse the oxidation

of variety of aromatic hydrogen donors with the concomitant reduction of oxygen to

water. Moreover, laccases do not only oxidise phenolic and methoxyphenolic acids

but also decarboxylate them and attack their methoxy groups.

The most studied laccase-producing fungus is Trametes versicolor.
Phanerochaete chrysosporium do not produce this enzyme (Hattaka 1994;

Thurston 1994) or produce in defined culture medium containing cellulose and

ammonium tartrate. Two laccase isozymes (I and II) of Trametes versicolor were
purified by Bourbonnais et al. (1995). The same reactivities of two isozymes were

found to be similar on most of the low-molecular-weight substances. However,

significantly higher reactivity of laccase-I than laccase-II was exhibited with a

polymeric substrate. The two isozymes had similar qualitative effects on kraft

lignin and residual lignin in kraft pulp (Bourbonnais et al. 1995).

Laccases can oxidise many recalcitrant substances, such as chlorophenols,

lignin-related structures, nonphenolic lignin models (Kawai et al. 1988) and dyes.

Thus, these enzymes may be used for the degradation of pulp, paper and cardboard

industrial wastes.

4.3.4 Versatile Peroxidase

A third group of peroxidases, versatile peroxidases (VPs), has been recently

recognised that can be regarded as hybrid between MnP and LiP. VP has been

found to be present in species of Pleurotus and Bjerkandera. Since they can oxidise
not only Mn2+ but also phenolic and nonphenolic aromatic compounds including

dyes, they may accelerate the bioremediation process of pulp and paper wastes.
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4.3.5 H2O2-Producing Enzymes

White-rot fungi also have the ability to produce a number of oxidases, such as

glucose oxidase (Kelley et al. 1986), glyoxal oxidase (Kersten and Kirk 1987),

methanol oxidase (Eriksson and Nishida 1988), and veratryl alcohol oxidase

(Bourbonnais and Paice 1988), that are capable of generating H2O2, presumably

for utilisation by extracellular peroxidases during degradation of lignin.

In the first step of bioremediation, peroxidases and laccases degrade lignin and

produce radical substances. These radical substances spontaneously re-polymerise

in the absence of quinone oxidoreductase (CBQ) and cellobiose oxidase (CBO). It

has also been shown that when T. versicolor laccase is incubated with glucose

oxidase, improvement in lignin depolymerisation occurs. This is probably due to

the action of glucose oxidase in reducing lignin and thereby limiting their

repolymerisation. In this way, polymerisation/depolymerisation equilibrium is

shifted towards degradation in the presence of other enzyme.

4.3.6 Other Enzymes

There is growing evidence for the participation of other important enzymes in the

lignin degradation process. Two enzymes cellobiose, quinone oxidoreductase

(CBQ) and cellobiose oxidase (CBO), play important role in the lignin degradation

by reducing phenoxy radical compounds. MnP requires the supply of Mn(III)-

complexing agent such as cellobionic acid, produced during the oxidation of

cellobiose to cellobionic acid, for degradation of lignin. Mn (II) is also required

by MnP during oxidation of lignin, since Mn (II) is converted to Mn (III) by this

enzyme.

CBQ supply cellobionic acid reduces insoluble Mn (IV) to Mn (II), during the

oxidation of cellobiose to cellobionic acid and hence recycling these cations. The

small size of the organic acid Mn (III)-complexes makes them an important

delignification agent due to their diffusability (Roy et al. 1994) in lignocellulosic

wall of paper and cardboard. CBQ activity also inhibits the oxidation of veratryl

alcohol (Ander et al. 1990).

The necessity of mycelial-bound ligninolytic enzyme or a hydrogen peroxide-

producing system in the fungi plays an important role in dye decolourisation.

Daniel et al. (1994) suggested a cooperative role between pyranose oxidase

(POD) and MnP. Pyranose oxidase enzyme was reported to be a major source of

hydrogen peroxide—an agent required for lignin degradation. Furthermore, both

POD and hydrogen peroxide-dependent MnP occur in the periplasmic space of

hyphae and extracellular medium.
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4.4 Overview of Mycoremediation Process

“Myco” stands for fungi and “remediation” refers to removal of waste. Thus,

“mycoremediation” refers to removal of waste by fungi. Mycoremediation is the

form of bioremediation in which fungi is used to return polluted environment to less

polluted state. Remediation of pollutants is possibly due to the presence of many

highly active enzymes in the fungi, during which fungi are at their most metaboli-

cally active stage. Fungi inhabiting polluted environments are armed with various

resistance and catabolic potentials. This catabolic potential of microbes in nature is

enormous and is advantageous to mankind for a cleaner and healthier environment

through bioremediation.

Mycoremediation is gaining attention as an alternative approach to presently

available methods. It is important to understand the variables that control the rate

and extent of fungal attack on paper, pulp and cardboard for meaningful exploita-

tion of fungi. Paper and cardboard possess lignin and cellulose as main ingredients

which are needed to be degraded by fungi and fungal enzymes. Ligninolytic

enzymes degrade not only lignin but also several compounds present in the paper

and cardboard industrial waste. The process of lignin degradation is proposed to be

completed in two phases. In the initial primary phase, the ligninolytic enzyme

system is synthesised, while during the secondary idiophasic metabolism, lignin

is degraded. The white-rot fungi, in general, and P. chrysosporium, in particular, are
by far the most active ligninolytic organisms described to date. These are widely

used for the degradation of paper and pulp industrial waste. However, some

indigenous fungi and known standard cultures can be used for remediation of

paper and pulp industrial wastes.

4.4.1 Source of Fungal Cultures

When using fungi for bioremediation, availability of fungal inoculum is a practical

consideration. Fungal cultures can be obtained in many ways for bioremediation of

paper and cardboard industrial waste.

4.4.1.1 Standard Cultures

A lot of work has been reported in the literature for the treatment of pulp, paper and

cardboard industrial effluents. Most of the work is reported to be based on the use of

standard microbial strains. Cultures may be purchased from the well-known centres

for fungal culture storage, given in Table 4.2. Isolates may also be purchased from

the place reported in literature where the culture is deposited.
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4.4.1.2 Indigenous or Autochthonous Fungi

Indigenous fungi refer to the fungi present in waste itself. There are many fungi

occurring naturally in conditions ecologically modified by industrial effluents. They

degrade the surrounding substrates and wastes discharged by industries. These

primary invaders change substratum conditions by their action making way

to secondary invaders. Due to the continuous presence of microorganisms with

industrial effluents and recalcitrant compounds, genetic potency develops to

degrade these compounds. These isolates are present in low numbers and are not

effective in bioremediation. To make them effective in mycoremediation process,

these indigenous microbial communities can be enriched in the presence of inter-

mediary metabolites of toxic compounds, and significant strains will be evolved

with the process of adaptation which may possibly be employed under controlled

conditions to degrade the industrial wastes. The metabolic activity leads to the

change in the structure and function of the community. Based on this principle,

indigenous fungi can be isolated from paper and cardboard industrial wastes. These

can be isolated by using different techniques such as bait technique (using paper

and pulp sludge), serial dilution method (using various fungal media) and blotter

technique (pieces of rags and paper).

In bait and blotter technique, paper and cardboard pieces are used as bait/blotter

which is wetted by industrial effluent and kept in petri dishes. These petri dishes are

incubated at 25–35 �C for the particular period of time and observed daily for the

growth of fungi. As fungal colonies appeared on bait, these are cultured on

the suitable medium for obtaining pure culture which will be later screened for

cellulolytic and ligninolytic ability.

In dilution method, initially, serial dilution of waste or contaminated soil/water

is prepared in sterile normal saline. Appropriate dilution is inoculated on medium

containing Mandel’s salts solution with addition of 17.5 and 5.0 g/l phosphoric

acid-swollen cellulose and 0.5 % L-sorbose as a colony restrictor and inducer of

cellulose production (Wang et al. 1995). Further, all isolated fungi will be screened

for their ability to degrade cellulose/lignin, dyes and other compound present in the

paper and pulp industrial wastes.

Table 4.2 Centres for getting fungal cultures

S. no. Name of centre Country

1 International Mycological Institute or Commonwealth

Mycological Institute (CMI)

United kingdom

2 United Kingdom National Culture Collection (UKNCC) United kingdom

3 American Type Collection Centre (ATCC) United States of

America

4 Central Bureau voor Schimmelcultures (CBS) Netherlands

5 IHEM Culture collection Belgium

6 MUCL Culture collection Belgium

7 Herbarium Cryptogame Indiae Orientalis India

8 Microbial Type Collection Centre, Chandigarh India
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After isolation of indigenous fungi, growth of the fungal strain is analysed

for initially phenotypic characterisation of fungi. A scale based on colony growth is

used for interpreting the results: nongrowth, residual growth, weak growth, moderate

growth and good growth. Classic and molecular identification of fungal strain can be

done by macro- and microscopic studies of morphological characters (hyphae,

conidia, chlamydospores, conidiogenous cells and conidiophores). The information

was compiled in a taxonomic description for comparison with specialised literature.

For molecular identification of autochthonous paper and cardboard degrading fungal

strains, PCR amplifications of 28S rRNA gene should be performed using the follow-

ing specific primers:NL1 (forward), 50-GCATATCAATAAGCGGAGGAAAAG-30,
and NL4 (reverse), 50-GGTCCG-TGTTTC AAGACGG-30. PCR reactions can be

performed in thermocycler using deoxyribonucleotide triphosphate and fungal geno-

mic DNA as template. PCR conditions consisted of an initial denaturation at 95 �C for

5 min, 40 cycles of amplification at 95 �C for 35 s, annealing at 52 �C for 30 s,

extension at 72 �C for 20 s and final extension at 72 �C for 10 min. The PCR product

can be purified using the DNA purification kit and sequenced. Sequence analysis of

nucleotide sequences can be performed using the Lasergene software package

DNASTAR Programs, BLAST (Altschul et al. 1997) and FASTA (Pearson and

Lipman 1988).

The ability of the fungal strains to produce extracellular oxidoreductases of lignin-

degrading system (LDS) can be performed by the 2, 2-azino-bis(3-ethylbenzo-

thiazoline-6-sulphonic acid (ABTS) test as described previously by Saparrat et al.

(2000). The chromogen ABTS is a very sensitive substrate that allows rapid screening

of fungal strains producing the extracellular oxidative enzymes by means of a

colourimetric assay at 420 nm (Saparrat et al. 2000). Each strain can be processed

under controlled conditions at 30 �C in darkness, for definite period of time. A scale

based on the colour intensity was used for interpreting the results: colourless, indicates

no ABTS-oxidising activity; low colour intensity (þ); moderate colour intensity

(þþ); and high colour intensity (þþþ) indicating high ABTS-oxidising activity.

Mostly, indigenous fungi belong to phycomycetes, ascomycetes and

deuteromycetes and are isolated from soil and water contaminated by paper and

cardboard discharges. List of some of these fungi is given in Table 4.3.

4.4.1.3 Fungal Culture from Previously Inoculated Waste

It could be advantageous to use fungal culture procured from previously inoculated

waste (Buswell 1994). Previously, inoculated waste is used here for waste treatment

plant which is inoculated with fungal culture for treatment purpose. In the case of

mushroom culture, culture can be collected from spent mushroom compost. Spent

mushroom culture (i.e. Pleurotus ostreatus, oyster mushroom; Lentinula edodes,
shiitake mushroom) is a by-product from commercial mushroom growers.

As with spent mushroom culture, pre-fruit body fungi can be obtained from

commercial mushroom growers. It is an alternative to use colonised mushroom

substrate before mushroom (fruit body) production.
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4.4.2 Inoculation of Waste with Fungi

Another concern when using fungi for bioremediation of pulp and paper industrial

wastes is how the inoculum is applied? Inocula of fungi can be applied in different

ways depending upon the form of waste (liquid effluent/solid sludge) to be treated.

Fungal inoculum can be applied by making the layers or in the form of homogenous

mixture, if waste is present in sludge/solid form.

4.4.2.1 Inoculation of Sludge

Layering the Fungi with the Sludge/Soil

In this technique, fungi are applied in the form of layers in between the layers of

sludge and soil. Layering the fungi with the waste would be easier and therefore

more economical rather than mixing the fungi and waste.

Table 4.3 List of fungi distributed and isolated from water and soil samples of paper and pulp

industrial effluent (Wahegaonkar and Sahasrabudhe 2005)

S. no. Isolated fungi

Occurrence in

water sample

Occurrence in

soil sample

1 Mucor spp. * ***

2 Rhizopus spp. *** ***

3 Syncephalastrum racemosum *** ***

4 Chaetomium indicum * *

5 Corynascus spedonium 00 *

6 Eurotium herbariorum 00 *

7 Eupenicillium javanicum var.
levitum

00 *

8 Pseudoeurotium multisporum 00 *

9 Acremonium sp. * ***

10 Alternaria spp. * ***

11 Aspergillus spp. 00 ***

12 Aureobasidium indicum * 00

13 Cephalosporium curtipes * 00

14 Cephalosporium sp. * 00

15 Cladosporium macrosporium * 00

16 Curvularia spp. * ***

17 Dendrostilbella indica 00 *

18 Drechslera spp. *** ***

19 Cunninghamella spp. * ***

“*” indicates the frequency of occurrence and “00” indicates non-occurring of fungi in the sample
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Homogenised Mixture of Sludge or Soil with Fungi

In this technique, sludge, soil or solid waste is mixed with fungi in the form of

homogenised mixture that degrades paper and pulp mill waste more effectively than

soil and substrate layers.

4.4.2.2 Inoculation of Effluent

Fungus can be applied in five different ways in the effluent, if effluent is to be

treated for remediation.

Agar Blocks

Fungi can be cultivated as monocultures on different media such as malt extract

agar, potato dextrose agar, Czapek’s agar and incubated for the definite period of

time at the appropriate temperature. Then, agar blocks of equal size can be cut from

the zone of active fungal growth and used for inoculation of paper, pulp and

cardboard industrial effluent.

Spores Inoculation

Fungi can be grown on malt agar (2 %) medium in petri dishes for 72 h at the

appropriate temperature. As sporulation occurs, spores can be separated from

mycelium by filtration process and then suspended in sterile water. Paper and

cardboard industrial effluent containing each flask can be inoculated with the

equivalent of amount of spores/ml culture medium.

A novel method of using spores for bioremediation was developed by Childress

et al. (1998). In this technique, spores can be encapsulated into alginate granules

(1–3 mm in diameter) with Pyrex™ (non-nutritive filler such as saw dust, corn cob

grits) for mycoremediation purpose. Encapsulated fungal spores can be stored in

sterile petri dishes sealed with parafilm in refrigerator and should be checked

regularly for the spore viability. The viability of spores is reported to be good in

refrigerating condition as well as at room temperature. In future, this technique may

be used for the mycoremediation of paper, pulp and cardboard industrial wastes

contaminating soil and water.

Mycelium Inoculation

The strains can be grown in agitated cultures (200 rpm) in 100 ml flasks containing

appropriate medium, for 3 days at 25–37 �C. Then the cultures can be centrifuged,

and the mycelium can be ground in sterile distilled water. This mycelium can be
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used for the inoculation of flask containing pulp and paper mill effluent with

equivalent amount of dry weight of mycelium per litre of effluent.

Enzymes Inoculation

Enzymes can be use directly, without immobilisation on different substrates, for

bioremediation of pulp, paper and cardboard industrial effluent. However, these can

treat a small quantity of waste effluents and sludge due to nonrecyclability of

enzyme. In contrast to immobilised enzymes, these enzymes cannot be recycled

and treat comparatively low amount of effluent.

The use of the purified enzymes showed limited activity in bioremediation. For

example, MnP and LiP from P. chrysosporium can be used for bioremediation

purpose. It was shown that only MnP had about 25 % decolourisation activity.

Therefore, in vivo decolourisation, which attained more than 80 %, could depend

on the production of other enzyme (Jaspers and Penninckx 1996). Due to this

drawback, use of fungi is more beneficial for the mycoremediation purpose because

the inoculated and adapted fungi can produce and secrete various enzymes as per

the requirement for waste degradation.

Immobilised Mycelium or Fungal Enzymes

Fungal mycelium can be immobilised on various substrates such as polyurethane

foam, agar gel, agarose gel, calcium alginate gel beads, magnetite, chitosan, etc.

Thereafter, immobilised enzymes can be used for inoculation and remediation of

pulp and paper mill effluents. Depending upon the requirement of bioremediation,

substrate may vary. Immobilised enzymes could treat a large quantity of wastewater

compared to soluble enzymes. Sometimes, degradation products absorb on the

material used for immobilisation and accelerate the remediation process. For

example, when phenols are oxidised by tyrosinases, quinones are obtained

which adsorb rapidly and strongly onto chitosan beads (Muzarelli et al. 1994) and

accelerate the degradation process.

Fungal enzyme such as laccase can be immobilised on carbon fibre electrodes

using classical methods: physical adsorption, glutaraldehyde, carboimide and

carbodiimde and glutaraldehyde for coupling laccase to carboxyl groups on carbon

fibres. P. chrysosporium immobilised on cubes of polyurethane sponge of 1.5-cm

sides or cylinders of polyurethane foam was found to produce ligninase under

nitrogen sufficient condition (Chen et al. 1991).

Fungal enzymes LiP and MnP can be coated on nanoparticles for bioremediation

purpose. Nano-assemblies of LiP and MnP are successfully fabricated and

characterised on a flat surface as well as colloidal particles. During the assembly

of enzymes on nanoparticles, a unique dynamic adsorption–desorption of enzyme

layer occurs. Time, number of runs, nonaqueous media and drying of the enzyme

layers have significant effect on the activity of assembled enzymes. A novel
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concept of using of silica nanoparticles can improve bio-catalysis. Formation of

silica nanoparticles is based on electrostatic interaction between oppositely charged

species. This may be successful strategy for treating the paper and cardboard

industrial effluent in the coming future.

4.5 Bioreactors as Mycoremediation System

The pragmatic approach of biotreatment is analysed by way of using chemostat for

enrichment and bioreactor for testing the relevance of the microorganisms in

the treatment process. Various parameters and cultivation strategies need to be

considered, for successful bioremediation of paper and pulp industrial wastes. In

this context, various bioreactors have been tested for bioremediation of mill-made

paper and pulp plants effluents and are discussed below.

4.5.1 Batch Treatment Process

Generally, for batch treatment, effluent treatment process is carried out in

erlenmeyer flasks. Nagarathnamma and Bajpai (1999) conducted experiments in

shake flasks and evaluated different fungi for bleach plant effluent treatment. They

selected Rhizopus oryzae due to having high decolourisation efficiency and low

sugar requirements during colour removal. During treatment, 92–95 % of the

colour, 50 % of the COD and 72 % of the AOX were removed in 24 h at

25–45 �C and a pH of 3.5.

In a batch experiment, Coriolus versicolor was used to decolourise lignin-

containing kraft E1-stage effluent, and it was found that both adsorption and

oxidation proceeded best (Royer et al. 1985). Hence, the batch treatment was

found to be successful in remediating the waste of paper, pulp and cardboard

industries.

4.5.2 Continuous-Flow Systems

The results of using bench-scale bioreactor, in which aeration and mixing can be

achieved with a diffuser that is placed at the side of the bottom of the reactor,

provided a reasonable basis for setting out continuous-flow process consisting of a

mixing tank, aeration basin and clarifier. In mixing tank, effluent would first be

adjusted to the proper pH and mix with nutrient solution. The effluent would then

go through a sedimentation basin where fungal solids would be removed and

recycled to the head of the aeration unit. On the basis of this hypothesis, three

continuous-flow laboratory-scale reactors have tested for bioremediation of pulp

and paper mill waste (Prasad and Joyce 1991):
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(a) System I consisted of a conventional oxidation basin for fungal cultivation.

Mycelial mats of fungal species can be transferred to the reactor for

decolourisation of paper mill effluent without aeration. This system could

reduce effluent colour by at least 50 % for the first 6 days.

(b) System II consists of a vessel with increased height and decreased surface area.

It possesses four baffles which divide the vessel into four compartments.

Fungus culture, packed in wire bags, can be suspended in the middle of each

zone with the supply of continuous aeration. Again, this system could reduce

effluent colour by at least 50 % for the first 6 days.

(c) System III is similar to MyCoR reactor in which fungal mats can be clasped

between circular wires, supported by outer central rings and securely fixed in a

metallic frame, possessing the continuously rotating discs. In contrast to system

I and II, system III has given the best results with a greater than 78 % total

colour removal and 25 % COD reduction from extraction-stage paper mill

effluent.

4.5.3 MyCoR Reactor

MyCoR reactor was described by Eaton et al. (1982), in which fungi are

immobilised on the surface of rotating discs which are partially submerged during

operation. These discs could be enclosed for additional oxygen supply and steam

sterilisation.

In this reactor, at first growth of fungi has occurred till the nutrient is present, and

then fungi become ligninolytic in nutrient-limiting condition. Simultaneously,

decolourisation of the effluent occurs. The MyCoR process reduced colour in an

alkaline stage spent liquor of pulp and paper industry by 80 % in less than 24 h in

the laboratory.

In MyCoR process, only 40 % of the mycelium is in contact with substrate which

seems to be the poor surface to volume ratio. Moreover, the mycelium is present in

a thick layer that could result in deficient oxygen and nutrient supply and a lower

general productivity.

4.5.4 MYCOPOR Process

In the MYCOPOR process, fungi are immobilised in polyurethane foam and used in

a continuously trickling filter reactor to treat bleach plant effluent. This process lead

to maximum decolouration, 50 % COD reduction and 80 % toxicity elimination of

sulphate-based kraft pulp and paper mill effluent.
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4.5.5 Fluidised-Bed Bioreactor

A fluidised-bed bioreactor operated in a continuous mode to treat and remediate

bleach paper and pulp effluent. In this reactor, fungi can be immobilised on calcium

alginate and other beads. This reactor has been tested and found to decolourise

caustic stage effluent of pulp and paper industry by 69 % and reduce AOX of this

effluent by 58 % at a retention time of 1 day.

4.5.6 Suspended Carrier Technology

This has been in use for a number of years for biological treatment of pulp and paper

industrial waste and its bioremediation. Carrier particles such as polypropylene

mats, polyester sponge-foam cubes, porous plastic foam cubes and ionically

modified porous polyurethane granules have density close to that of water. These

are used to minimise the energy required to keep the carriers suspended during

treatment. Carrier particles should be engineered with more surface roughness and

with surface charge as well as hydrophilicity to better accommodate fungi. Support

matrixes are composed of particles that are kept in suspension by aeration. This has

major advantages when compared to static biofilm systems that the risk for clogging

of the stationary biomass support material with fines and fibres is eliminated.

This technology is used for treatment of bleached kraft pulp and paper mill

effluent. At pH 7, 37 �C temperature and with hydraulic retention times of longer

than 3.5 h, 55 % of COD removal was achieved. The suspended carrier treatment

was also operated at pH 9 and 45 �C as well as at pH 7.0 and 50 �C, and 50 %

reduction in COD in each case at a hydraulic retention time of 4 h was reported.

4.5.7 Moving Bed Biofilm

A full-scale treatment plant, based on moving bed biofilm system, is under con-

struction in neutral sulphite paper mill for treating effluent. During a pilot-plant

trial, 70 % COD reduction, 96 % BOD reduction and 98 % toxicity reduction were

obtained at an organic load of about 25 kg COD/m3 day. In this case, no clogging

was found during the pilot-plant run.

4.5.8 Airlift Reactors

In airlift reactors, the fungi can be inoculated in the pelleted form. This strategy

would facilitate recycling and the use of large amounts of fungal biomass. Mehna
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et al. (1995) used this reactor and a colour reduction of 92 % with a COD

elimination of 69 % using pellets of T. versicolor strain in optimum conditions

such as pH 4.5, temperature 30 �C and sucrose 7.5 g/l.

4.6 Factor Affecting Mycoremediation

There are specific conditions that need to be maintained for mycoremediation of

paper and pulp waste and to operate the process at optimal efficiency. Any serious

deviations could result in the complete shutdown of the system. In flask cultures,

80 % reduction in colour of paper and pulp mill effluent was observed after 6 days

with Trametes versicolor. However, the same fungus, cultivated under optimal

aeration in a laboratory fermentor with 0.8 % glucose plus 12 mM ammonium

sulphate and at a controlled pH level of 5.0, reported to reduce 88 % colour units

within 3 days. This emphasises the importance of culture conditions on the

efficiency of decolourisation of effluent (Bergbauer et al. 1991) and simultaneously

waste treatment. However, an effective biotreatment system must lead to the

degradation of both high and low molecular mass compounds. White-rot fungi

can achieve this effectively but possess complicated physiological demands for

degradation of lignin-containing waste.

In shake flask, under optimal conditions (pH 4.0 and glucose as carbon source)

Trichoderma sp. decreased the colour of kraft bleach plant effluent by 85 % and

reduced the COD by 25 % after 3 days incubation in shake flasks. The maximum

total decolourisation at pH 4.0 without an additional carbon source was 68.6 % after

3 days cultivation and therefore glucose stimulated decolourisation. Other carbon

sources such as pulp and pith that are abundant and inexpensive increased the

decolourisation after 6 days, since they were not metabolised immediately. The

results of these studies again emphasised the importance of carrying out the

treatments under strictly defined conditions (Prasad and Joyce 1991). However,

there is not sufficient information about the nutritional, physiological and environ-

mental parameters that influence the fungal degradation of lignin, cellulose,

toxicants, dyes, etc.

Paper, pulp and cardboard industrial effluent possess highly coloured compounds,

generally appeared due to the presence of lignin and lignin degradation compounds.

Mycoremediation strategy requires the following factors that are well known to effect

the delignification of paper and cardboard industrial effluent and hence decolourise the

effluent.

4.6.1 Nitrogen

The onset of lignin degradation is triggered by nitrogen depletion in the medium.

Lignin degradation is suppressed in nitrogen-rich medium possibly due to (1) high
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nitrogen content promotes rapid depletion of energy sources which are essential for

lignin metabolism. (2) Nitrogen metabolism competes with lignin metabolism for

fulfilling the requirement of same cofactors. (3) Nitrogen regulates the synthesis of

one or more components of the lignin-degrading system. (4) Increased formation of

biomass speeds up the rate of respiration and suppress lignin metabolism.

The increased nitrogen inhibits lignin degradation, while the increased carbo-

hydrate supply stimulates. A medium containing an unlimited level of glucose and a

limiting dose of nitrogen stopped primary growth and stimulated onset of

ligninolytic activity during late stationary phase. In contrast to this, the ligninolytic

activity considerably delayed in nitrogen-rich glucose-limited medium without

adversely affecting the extent of fungal growth. The most effective nitrogenous

suppressors of ligninolytic activity are ammonium chloride, glutamine, glutamate

and histidine.

Mostly, white-rot fungi degrade lignin in better way in the presence of carbon

to nitrogen ratio rather than the absolute levels of carbohydrates and nitrogen.

Degradation of lignin by Phanerochaete chrysosporium and Phlebia radiata is

dependent of C to N ratio. Dichomitus squalens and Lentinus edodes do not show

any effect of C to N ratio. Thus, the effect of carbon nitrogen ratio is variable among

the members of white-rot fungi.

In contrast to the physiological model proposed for P. chrysosporium, several
commercially important and commonly occurring white-rot fungi produce higher

ligninolytic enzyme activities in response to a nitrogen-rich medium. Moreover,

laccase activities in Lentinula edodes and Pleurotus ostreatus and manganese-

independent peroxidase (MiP) activities of Bjerkandera spp. were found to be

enhanced by peptone (Kaal et al. 1995). Hence, mycoremediation of paper and

pulp industrial waste requires appropriate amount of nitrogen depending on the type

of fungi used.

4.6.2 Carbon Co-substrate

White-rot fungi cannot degrade lignin unless the co-substrate is supplemented

simultaneously in the growth medium. Lignin is unable to serve as a growth

substrate; the co-substrate is presumably the source of energy required for bio-

synthesis of individual components of ligninolytic system. Lignin degradation by

white-rot fungi and Aspergillus fumigatus is dependent on the presence of readily

metabolisable co-substrate such as glucose. The growth substrate is required

because (1) energy recovered in lignin metabolism is too little to support growth

and is at best only a marginal carbon and energy source for maintenance meta-

bolism, (2) extent of ligninolytic activity is very low for fungal growth and (3)

nature of carbon source also influences the ligninase activity by affecting the rate of

H2O2 production.
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An additional carbon source donates electrons which are cascaded down to the

final electron acceptor. Sometimes the dye, present in the effluent, functions as final

electron acceptor which helps in dye decolourisation of paper and cardboard

industrial effluent. However, price of glucose may be a limiting factor in scaling-

up projects. Addition of simple sugar to the wastewater source converts at least

some of the biomass to glucose by brown-rot fungi. Simple sugar accelerates the

production of phenoloxidases from the white-rot fungi which involve in breakdown

a portion of biomass. As a result of the breaking down of biomass, thereby

decreasing amount of phosphorous colour, odour, ammonia, suspended solids and

sludge that are difficult to separate from paper and cardboard industrial effluent.

4.6.3 Oxygen or Air Tension

Lignin degradation is an oxidative process and needs the presence of oxygen at a

partial pressure equal to that in the natural atmosphere. Increasing the O2 levels in

the culture has a strong activating effect on the rate of lignin degradation and

production of LiP and MnP, which is generally optimal at high oxygen tension.

Lignin is degraded much faster in the presence of oxygen than air. For example,

P. chrysosporium reduced lignin of pulp when it is maintained in 100 % oxygen

instead of air. The oxygen partial pressure has a profound effect on the rate and

extent of lignin degradation by P. chrysosporium, but not on the growth of fungi.

4.6.4 Culture Agitation and Supplementation

Agitation is generally used to increase the rate of gas exchange between the

atmosphere and culture medium. An initial period without agitation is needed to

avoid severe inhibition of onset of degradation activities. Production of LiP and

MnP is generally repressed by agitation in submerged liquid culture, while Lac

production is often enhanced by agitation.

In agitated cultures, Tween 80 is essential for ligninase production. The supple-

mentation of P. chrysosporium growth medium with emulsified vegetable oils, fatty

acids and phospholipids sources enhanced the lignin peroxidase activity required

for lignin, paper and pulp waste degradation. The extent of growth is good in both

agitated and still fungal cultures.

Culture agitation results in pellet formation and strongly suppresses ligninolytic

activity and slowing the waste bioremediation process. Agitation of cultures to

increase the oxygen supply leads to increased formation of pellet due to the

enclosing of fungi with pulp fibres which prevents optimal degradation possibly

due to (1) the disturbance of the physiological state of cells on the pellet surface and

(2) lower oxygen partial pressure which results in decomposition of pulp and paper

fibres only on the exposed outer surface. Furthermore, a close physical association
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between fungi and paper, pulp and cardboard fibres is necessary. Fungi associated

with paper, pulp and cardboard fibres are incubated in both agitated and still

cultures during initial days. In contrast, if the pre-grown mycelial mat is agitated,

it does not seem to affect lignin degradation.

In agitated submerged culture, the production of lignin peroxidases can be

increased with various detergents and veratryl alcohol. This shows the effect of

different supplementation on the production of LiP in agitated cultures.

4.6.5 Micronutrients

4.6.5.1 Manganese

The presence of manganese is necessary for degradation lignin-containing paper and

cardboard fibres by white-rot fungi. Manganese is required for the functioning of an

extracellular manganese peroxidase enzyme, first discovered in P. chrysosporium.
Manganese peroxidase is present in numerous cultures of white-rot fungi.

Mn regulates the production of LiPs and MnPs and ligninolytic activity of fungi.

Ligninolytic activity increases with decreasing Mn(II) concentration.

4.6.5.2 Magnesium

Magnesium supplementation in the form of MgCl2�6H2O to bleach plant effluent

increased the net consumption of chromophores by C. versicolor because these ions
are known activators of many oxidases that play a role in delignification of paper,

pulp and cardboard effluents by ligninases. Besides this, magnesium ions increased

the degradation of chromophores indicating the involvement of Mg ions. For

instance, addition of magnesium ions initiates the removal of paper mill effluent

colour from its initial level.

4.6.5.3 Sulphur

Addition of sulphur also induces ligninolytic activity in P. chrysosporium. This
shows the positive effect of sulphur on the remediation of paper and cardboard

industrial waste.

4.6.6 Hydrogen Ion Concentration

Paper and cardboard waste degradation is based on lignin degradation which is

quite sensitive to pH. Hence, adequate buffering is essentially required to control
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pH during lignin decomposition, consequently paper and cardboard waste degrada-

tion. The medium pH was found to be critical for decomposition of paper and

cardboard industrial effluent. The optimum culture pH for delignification by

P. chrysosporium is observed in the range of 4.0–4.5, with marked suppression

above 5.5 and below 3.5. The pH requirement varies for growth and waste

degradation. The optimum pH, however, for the growth was somewhat higher

than that for lignin degradation. When pH is drifted from the optimum 3.5–5.5

range, the rate of CO2 released is increased in P. chrysosporium.

4.6.7 Toxic Substances

The presence of toxic substances inhibits the mycoremediation process. Sometimes,

toxic compound is generated during the treatment with fungi. For example, the

toxic amines are generated when azo- and nitro compounds are reduced by fungi

which are difficult to degrade. Further, these compounds create many difficulties in

paper and pulp mill waste degradation.

4.7 Mycoremediation of Paper and Cardboard

Industrial Wastes

Characteristics of waste must be considered for mycoremediation of different types

of paper, pulp and cardboard industrial wastes. Wastes generated by these industries

depend on the technique of making paper. Generally, all pulp and paper industries

can be divided into three main categories on the basis of processing of raw material:

1. Handmade paper industries, process paper by hand or simple machinery

2. Kraft paper industries, process paper mechanical or chemical method

3. Cardboard industries, recycle wastepaper

These can be further divided into small-scale and large-scale categories on the

basis of their production capacity.

4.7.1 Handmade Paper and Pulp Industries

Handmade paper industry is not the topic of discussion of this millennium but is an

ancient art of making paper by hand still exist in many part of the world. According

to American Paper and Pulp Association “Handmade Paper is a layer of entwined

fibres, held together by the natural internal bonding properties of cellulose fibres

lifted by hand, sheet by sheet on moulds in suspension of fibres in water with or

without sizing.”
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This ancient art of making paper by hand or simple machinery, i.e. handmade

paper was discovered in China. Later it spread in Korea, Japan, Asia and Persia. In

India, the first handmade paper was manufactured in the year 1159 AD. The first

paper mill was set up at Serampur, West Bengal, in the year 1812 which used grass

and jute as rawmaterial for making paper. It still exists in India, many European and

American companies, contributing in production of high-grade export quality paper.

As there has been phenomenal growth in the export market for Indian handmade

paper and its products, especially in the developed countries like the United States

of America, West Germany, European Countries, Australia, etc., India is being

looked upon as the country with the maximum growth potential in handmade

industry. In India, there are about 685 units of large-scale and small-scale hand-

made paper working all over the country. There are around 300 kagzi units still

working in Sanganer (Jaipur) both large scale and small scale. These produce

around Rs 21 crore worth of papers, providing full-time employment to 10,000

persons in the rural areas (Khadi Industries Village Commission report, Rajasthan,

India). In spite of having competition in the global market, there are definite

opportunities for smaller, local firms satisfying specific needs of paper. Differences

in handmade paper and mill-made paper industries are depicted in Table 4.4.

The finest handmade papers aremade from pure rag pulp, usually linen and cotton,

which are washed, boiled and beaten to macerate the fibres. These fibres are then

suspended in water where they can be lifted out by the papermaker using amould and

deckle. A mould is a screen of some sort, supported by a frame, which allows the

surplus water to drain after dipping the fibres from the vat. A deckle is another frame

on top of the mould which keeps the fibres from washing over the edges.

Handmade paper industries (HMP) utilise various lignocellulosic and cellulosic

raw materials. On the basis of using raw material, these are further divided into two

categories: (1) agro-residue-based HMPs (these industries use agroresidues for

Table 4.4 Difference in handmade paper and mill-made paper industries

S. no. Characteristics

Handmade

paper

Mill-made

paper

1 Investment on plant on per ton per annum production 12,450 24,850

2 Employment generation on invest of each

Rs. one crore

980 130

3 Employment generation of each 1,000 ton

of production

1,050 25

4 Import of machinery NIL 35 %

5 Resource input of production per each ton

(a) Forest based raw materials like bamboo and wood NIL 2.5–3 ton

(b) Coal 0.085 ton 1.50 ton

(c) Electricity 150 kwh 2,000 kwh

(d) Water 38 cu mts 300 cu mts

(e) Chemicals 0.0051 ton 0.8 ton

Source: Khadi and Village Industries Commission, India
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making paper such as hemp fibre, banana pulp, jute pulp, etc.) and (2) textile waste-

based HMPs (these industries use cotton rags, hosiery rags, procured as tailor

cuttings from textile industries for making paper). For processing of paper, these

industries also use a large amount of water and discharge it into the nearby water

bodies or in the agricultural fields.

4.7.1.1 Wastes of Handmade Paper Industries and Pollution

Depending on the type of raw material, handmade paper industries generate waste

of different characteristics. These industries which use linen or cotton rags or mill

broke as raw material having different characteristics compared to those that use

agricultural residues and mill broke. Cotton rags are rich in cellulose; however,

agro-residues were found to possess lignin and cellulose. Therefore, the processing

of these raw materials differs from each other which lead to the generation of

effluent with different characteristics. Water used in several steps of making paper

is discharged as effluent-possessing chemicals used for the processing of raw

materials.

Agro-based handmade paper and pulp industries adopt the procedure of

processing the lignocellulosic pulp residues similar to mill-made paper industries.

Hence, effluent characteristics are similar to the characteristics of kraft pulp and

paper industries. However, the amount of effluent generated by these industries is

low because all processes are done by hand or simple machinery.

Cotton- and hosiery rag-based handmade paper industries utilise various

chemicals and huge amount of water which is discharged in the form of effluent.

Earlier handmade paper used to come only in white colour, but now available in

different colours and designs. Many small-scale industries are emerging in India,

which are using various chemicals and chemical dyes for making paper.

Generally, these are considered as ecofriendly industries only on the basis of

physicochemical characteristics. Although these industries use dyes and chemicals,

there are few reports available on the effluent discharge and pollution-causing

potential of these industries. These industrial discharges were found to possess

effluent BOD, COD, pH and other parameters much above the discharging limit and

having mutagenic potential possibly due to the use of dyes for colouring paper

(Kulshreshtha et al. 2011).

These industries discharge two types of wastes: (1) effluent and (2) sludge. After

making paper dyes, pulp residues containing effluent are discharged to nearby fields

or in the water bodies which impart colour to the water body. The effluent

colour may increase water temperature and decrease photosynthesis, both of

which probably lead to a decreased concentration of dissolved oxygen.

Leftover or unused pulp residues are generated in the form of sludge and

accumulated in the close proximity of industries or in the industrial drain and

cause soil or water pollution.
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4.7.1.2 Effluent Treatment

These are exempted from the list of pollution-causing industries, and therefore,

effluent treatment of these industries is meagerly reported. Pulp fibres from

handmade paper and pulp industries were separated out by filteration process and

used for the cultivation of mushroom along with the sludge of unused pulp residues

(Kulshreshtha et al. 2010b).

4.7.1.3 Sludge Treatment

Recently, sludge of these industries is utilised for mushroom cultivation,

a macrofungi, for its bioremediation from the environment (Kulshreshtha et al.

2010b). Mushrooms are higher fungi capable of degrading lignin and cellulose

efficiently due to the production of cellulolytic and ligninolytic enzymes. Mush-

room is not only capable of bioremediation of waste but also provides a highly

proteinaceous food. Pleurotus florida is a mushroom species which is recently used

for the bioremediation of sludge generated by handmade paper and pulp industries.

The pulp and paper industrial sludges may mix either with effluent of same pulp

and paper industry or with water. This mixing will provide thick slurry of composite

waste (sludge and effluent). Generally, pulp and paper sludge is obtained in wet

condition; therefore, no presoaking is required like wheat straw. This slurry of

waste treats with 1.25 ml/l of 40 % formalin solution (v/v) and 0.75 g/l (w/v) of

antifungal substance bavistin for 18–24 h to remove unwanted organisms. Pulp

fibres are collected by filtering the slurry by a clean cloth and spread on a clean

surface, to remove excessive water for maintaining 80 % humidity. Further, these

pulp fibres sterilise by steam for 1 h to overcome the disturbance of other

microorganisms. After cooling, wet pulp inoculates with spawn and pack in porous

polythene bags for incubation. Incubation temperature varies per the requirement

of mushroom species. When Pleurotus mycelium fully colonises the substrate,

polythene bags can be removed and substrate bundles can be hanged. These bundles

can be sprayed with water twice a day to maintain humidity, and time can

be recorded for pinhead formation, immature fruiting body and mature fruiting

body formation.

After obtaining the mature fruiting bodies (basidiocarps), mushroom fruiting

bodies can be harvested and analysed in the laboratory for its nutritional

characteristics, toxicity and genotoxicity. In our recent investigation, it was found

that mushroom fruiting bodies of P. florida do not possess basepair and frameshift

mutagens (Kulshreshtha et al. 2011). However, these basidiocarps cannot be

considered safe for consumption until found free of other toxicants and metallic

content. Preliminary results obtained with mushroom cultivation on handmade

paper and pulp industrial wastes indicate the extended application of this mushroom

species not only for treatment but also for proteinaceous food.
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4.7.2 Mill-made Paper and Pulp Industries

About 1800–1860, all work sequences previously performed by hand were

mechanised for making paper. This included the rag preparation, the use of fillers,

pulp beating, the paper machine with its various parts and the machines required for

finishing the paper (the headbox, wire section, press section, dryer section and units

for reeling, smoothing and packaging). The paper industry has came a long way,

and evolution of new sheet-forming principles (with fluid boundaries between

paper and nonwoven fabrics) and chemical pulp processes have been the main

process improvements.

The heavy demand for the paper helps in steady expansion of paper industries.

When India became independent in 1947, there were 17 paper mills with an

installed capacity of less than 0.14 million TPA (tonnes per annum). The organised

growth of this sector began in 1951, with many small and medium paper mills being

set up due to the government policy. The annual increase in paper production since

independence has been in the range of 0–13 % with a current dead capacity of

1.1 million tonnes. At present, there are an estimated 525 pulp and paper mills with

a total installed capacity of around 6.25 million TPA. However, the situation on the

global market, i.e. increased demand, above all in the Third World, trends in

chemical pulp prices and problems of location, is again raising capital intensity

and encouraging the formation of big company groups with international

operations. On the basis of pulping procedures, these are of various types as

mentioned in Table 4.5.

4.7.2.1 Wastes of Mill-made Paper Industries and Pollution

Mill-made paper industries are also producing two types of wastes: (1) effluent and

(2) sludge. Generally, these industries are involved in making paper by

delignification of wood. Besides this, these industries consume large amount of

water in different steps of papermaking process which reappear in the form of

effluent. The most significant sources of pollution among various process stages are

wood preparation, pulping, pulp washing, screening, washing, bleaching and paper

machine and coating operations. Among the processes, pulping generates a

high-strength wastewater especially by chemical pulping containing wood debris

and soluble wood materials. Pulp bleaching generates most toxic substances as it

utilises chlorine for brightening the pulp. Moreover, depending upon the type of the

pulping process, various toxic chemicals such as resin acids, unsaturated fatty acids,

diterpene alcohols, juvaniones, chlorinated resin acids and others are generated

during pulp and papermaking process (Pokhrel and Viraraghavan 2004). All these

chemicals are present in the effluent generated by these industries which is

discharge to the adjacent water bodies or soil after use, and therefore, these

industries pollute not only water but also soil. These pulp and paper industries are

one of the 17 most polluting industries listed by the Central Pollution Control Board
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(CPCB). Most mills probably release suspended solids, such as fibre and bark,

organic matter, which increase the biological oxygen demand, chemical oxygen

demand and colour and suspended solids.

Most of the solid waste from the pulp and paper industry consists of

“mill residues”, which comprises bark, wood residues, refuse (pulp, paper and

cardboard), ash from combustion facilities and sludge from treatment of process

water and deinking. The major contributors of solid wastes in pulp and paper mill

effluents are bamboos and wood dust, line sludge, coal ash and fly ash and other

rejects. Discharging of sludge and effluent of mill-made paper industries lead to the

pollution of soil and water.

Table 4.5 Different pulping method-based paper and pulp industries and risks associated

with them

Pulping process Details Risks

Sulphate pulping Alkaline sulphate process

independent of wood species

yields high-fibre properties

Bleaching with chlorine-

containing chemicals such

as (elemental or gaseous)

chlorine, hypochlorite or

with chlorine dioxide

Dissolved lignin extracted

with alkali

Sulphite pulping Several special paper qualities,

e.g. tissue, wood-free

printing and writing papers,

grease proof papers, etc., are

prepared

Suitable raw material for this is

spruce

Pine, birch and other hardwood

species are not good

Sulphite cooking is possible

using Ca, Mg, Na or NH4

as a base chemical in

cooking the liquor

Two methods: acid sulphite

process or bisulphite

cooking process

The acid sulphite pulping

process waste liquor is

normally burned in a

recovery boiler in an

oxidative atmosphere with

about dry solid content of

55–57 %. Except for when

using a sodium-based

waste liquor, there is not a

chemical smelt layer on

the bottom of the boiler

and no risk for smelt/

water explosions like in

the case of a black liquor

recovery boiler

Recycled pulping (RCF) and

deinked (DIP) pulps

Releasing of ink during pulping

is the cause of colour and

toxicity in the effluent

Exposure to some hazardous

chemicals (e.g. peroxide)

No risks stemming from a

recovery boiler

Mechanical pulping

(groundwood (GW),

thermomechanical (TMP),

chemithermomechanical

(CTMP) and bleached

chemithermomechanical

(BCTMP) pulps

Adjacent sulphate pulp mill

recovery boiler may be used

in cross recovery for

impregnated chemicals

Exposure to some hazardous

chemicals, e.g. peroxide

No recovery boiler risks
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4.7.2.2 Effluent Treatment

Effluent treatment of different types of mill-made paper industries is reported by

various scientists till date. Two-step bioreactor is designed for the treatment of pulp

and paper industrial effluent by Singh and Thakur (2006) in which at first effluent

was treated in anaerobic condition and then treated by fungi Paecilomyces sp. in the
second bioreactor. This technique leads to reduction in colour (95 %), AOX (67 %),

lignin (69 %), COD (75 %) and phenol (93 %) by third day when 7-day anaerobi-

cally treated effluent was further treated by fungi. Fungi used for treatment of

effluent of different types of pulp and paper industries and effect of fungal treatment

on different parameters are given in Table 4.6.

4.7.2.3 Sludge Treatment

Generally, the sludge of this type of industries is used for landfilling purpose as well

as composting purpose. However, there is scarcity of literature on the treatment of

mill-made paper industrial sludge and its bioremediation with fungi.

The use of chemithermomechanical pulp for the cultivation of mushroom

is reported (Sivrikaya et al. 2002). Chemithermomechanical pulp is used as a

substrate by few mushroom cultivators, who used to cultivate mushroom in the

mushroom farm. During the cultivation period, both phytohormones 2.4-D and PS

A6 can be used. Mature fruiting bodies of Pleurotus sajor-caju can be collected and
used for examination metals, respectively. Postharvesting mature fruiting bodies of

basidiocarp can be cleaned, dried in a drying oven at 103 �C and homogenised by

grinding. All the edible parts of the mushroom basidiocarp can be stored in closed

containers at room temperature after pretreatment.

Mushroom basidiocarps can be tested for the presence of toxic metals. Metal

analysis of basidiocarp can be done by mixing 2 g of basidiocarp with 20 ml

concentrated HNO3, and this mixture is allowed to stand overnight. The mixture

is heated carefully on a hot plate until the production of red NO2 fumes ceased,

and then samples are analysed for metallic content. These metals can be most

conveniently determined by either the flame emission (FE) or atomic absorption

(AA) methods.

Metal analysis of postharvesting mature fruiting bodies revealed the presence of

trace element contents in mushroom Pleurotus sajor-caju cultivated on chemither-

momechanical pulp with phytohormones PS A6 and 2.4-D. Fruiting bodies were

found to possess many metals above the acceptance level which makes it unsuitable

for consumption (Sivrikaya et al. 2002). Hence, fruiting bodies were found to

possess many metals above the acceptance level which makes it unsuitable for

consumption.
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4.7.3 Cardboard Industries

Cardboard is a thick layer of paper made by shortened cellulosic fibres produced due

to repeated recycling. Cardboard is a heavy wood-based type of paper notable for its

stiffness and durability. It is used for a wide variety of purposes generally for

packaging purposes. The growing demand of paper led to a greater mechanisation

processes and materials. This produces a thick sheet of paper of much poorer

quality. Due to shortage of rags, other papermaking materials are using nowadays

which are available in plentiful amount and economic. In this context, various types

of printed, nonprinted, coloured, laminated, non-laminated, paper and paperboards

are collected for removing the waste from environment and recycle it into card-

board. These industries are based on the recycling of wastepaper and cardboards and

laminated board. Recycling of newspaper and wastepaper and boards saves trees.

It is first invented in China in the fifteenth century. The first commercial

cardboard box was produced in England in 1817, and first machine for producing

large quantities of corrugated cardboard was built in 1874 by G. Smyth, and in the

same year, Oliver Long improved upon Jones’ design by inventing corrugated

cardboard with liner sheets on both sides.

4.7.3.1 Wastes of Cardboard Industries and Pollution

These industries recycle the wastepaper, however, pollute the environment by

discharging two types of wastes: (1) effluent and (2) sludge. Mostly, cardboard is

prepared from unused paper and pulp fibres without using any type of chemicals for

delignification of pulp fibres. However, these are considered as pollution-causing

industries due to having low pH, high BOD and COD. Effluent of cardboard

industries is highly coloured and generally possesses brown colour due to release

of natural colour of lignin. Another possibility of brown-coloured effluent is the

release of inks, dyes and chemicals in the pulping liquor during the pulp-making

process. These wastepaper-based mills consume a large amount of raw water which

is discharged as effluent. These industrial effluents are characterised by a high

organic load in the form of shortened pulp fibres. The brown colour of the effluent is

due to the release of ink, dyes and chemicals in the water during pulping used for

making papers. The discharge of untreated effluent from these industries into water

bodies causes poor water quality, and the brown colour of untreated effluent

is detectable over long distances. Discharging of untreated effluent can cause

eutrophication due to having organic nature. Due to economical and environmental

reasons, consumption of water has decreased overtime, and today, there exist

several zero-discharge recycled paper and cardboard mills. However, closing a

water system leads to several different problems, such as increased demand for

retention aids, decreased product quality and reduced felt life and corrosion.

Cardboard industries also cause pollution due to repeated recycling which results

in shortening of pulp fibres due to repeated recycling. In the last stage of making
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paper, cardboard and pulp fibres become too short to be recycled which accumulate

in adjacent area of industries. In this case, accumulation of nonrecycled left over

pulp residues is the main cause of soil pollution, and biodegradable organic pulp

residue waste will produce enormous odour in the area.

4.7.3.2 Effluent Treatment

Closing of drainage system of cardboard industries gives rise to problem of pungent

odour, blockage, etc. Hence, it is necessary to find out the solutions to overcome

these problems. One method is to reduce the compounds in the wastewater, on

which the fungi feed on. As fungi used all the pollutants as source of energy and

carbon, these are removed from the effluents.

An anaerobic/aerobic biological process for treating wastewater from a recycled

paper mill was evaluated in both mesophilic and thermophilic conditions in

laboratory-scale experiments. The pilot plant trials were carried out at Munksjo

Lagamill AB, Sweden. Effluent can also be treated in an in-mill biological treatment

of wastewater by using fungi, and it has been shown to be an attractive alternative

for mycoremediation of wastewater from recycled paper/board production.

Presently, there is nomycoremediation technology for the wastewater of paperboard

or cardboard mill due to which Indian cardboard mills discharge brown-coloured

water, treatment of which is meagerly reported. This untouched problem opens a

good opportunity of research in the field of mycoremediation of waste.

4.7.3.3 Sludge Treatment

Sludge of these industries contains nonrecyclable pulp residues and is reported to be

used for the cultivation of mushroom. Sludge is processed and inoculated as

mentioned earlier for handmade paper industries. The results of this study show

that when waste is used alone, mushroom cultivation required very long time as

compared to straw. However, the same sludge is processed and mixed with wheat

straw in equal amount; mushroom fruiting bodies can be obtained in short time with

increased biological efficiencies (Kulshreshtha et al. 2010b).

4.8 Degradation of Paper, Pulp and Cardboard

Industrial Pollutants

New treatment technologies must be designed to degrade those chemicals that pose

the greatest threat to human health that are toxic and/or mutagenic, have a tendency

to bioaccumulate, and are difficult to degrade. Using these criteria, the degradation

of all mutagenic compounds, resin acids, chlorinated phenols and chlorinated

aliphatic hydrocarbons should be the focus of new treatment processes.
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4.8.1 Lignosulphonics

Generally, pulp, paper and cardboard industrial effluents are brown in colour which

is due to the presence of lignin and its degradation products formed by the action of

chlorine on lignin. This is a serious cause of concern from aesthetic and biological

point of view. In the kraft process of making paper, lignin is converted to thio- and

alkali lignin due to ligno-sulphonate in the sulphate process.

4.8.1.1 Mycoremediation of Lignosulphonics

These compounds give brown colour to the effluents. Many fungi can be used for

the treatment of black liquor and mentioned in Table 4.6.

4.8.2 Heavy Metals and Inorganic Compounds

The main sources of Al, Cu, Cr, Ti, Fe, Mg and Zn in pulp and paper mill effluents

are the chemicals used in pulping, additives used in papermaking.

4.8.2.1 Mycoremediation of Heavy Metals

Many fungi have been used for the bioremediation of heavy metals for long times.

These include several fungi (Aspergillus spp. and Rhizopus spp.) and mushroom

species (Agaricus spp., Pleurotus spp.). However, there is scarcity of report on the

mycoremediation of heavy metals from paper and pulp industrial effluents. Metals

absorbing fungi provide us a good opportunity of research to use them for

mycoremediation of heavy metal content of paper and cardboard industrial effluent

and sludge.

4.8.3 Dioxin and Dibenzofurans

Dioxins are the family of halogenated dibenzo-p-dioxin congeners. Dioxins are

toxic, and environmentally persistent compounds arise as trace pollutants in the

manufacture of pulp and paper bleaching which is the most considerable pollutant

for bioremediation. Dioxins and furans are persistent and tend to accumulate in

sediments and in human and animal tissues.

4 Mycoremediation of Paper, Pulp and Cardboard Industrial Wastes and Pollutants 107



4.8.3.1 Mycoremediation of Dioxins

The metabolism of 2,7-dichlorodibenzo-p-dioxin by Phanerochaete sordida
YK-624 has been reported (Takada et al. 1996). Moreover, the oxidation of

dibenzo-p-dioxin by fungal enzyme lignin peroxidase is also reported by Joshi

and Gold (1993).

4.8.4 Organochlorine Compounds (AOX)

Absorbable organic halogens (AOX), total organochlorine (TOCl) and

tertachlorinated dibenzodioxins (TCDD) are the most hazardous compounds of

pulp and paper mill effluents, which besides being toxic, mutagenic, persistent

and bioaccumulating are also known to contribute much to the pollution load in the

effluents. These compounds are produced mainly by the reactions of residual lignin

present in the wood fibre and chlorine used for bleaching which is a matter of great

concern in the pulp and paper industry.

4.8.4.1 Mycoremediation of AOX

Mycoremediation of AOX from paper and pulp industrial effluent and degradation

of chlorinated compounds such as mono-, di-, tri-, penta- and chlorophenols has

been done by fungal isolates that were obtained from different effluent streams of

pulp and paper industry and soil irrigated with this wastewater.

4.8.5 Resin Acids

The wastewaters of the pulp mills are found to contain measurable concentrations

of resin acids and resin acid biodegradation products. Resin acids are the group

of deterpenoid carboxylic acids which are toxic to fishes in recipient waters.

Commonly found resin acids can be classified into two types: abietanes (abietic,

dehydroabietic, neoabietic, palustric and levopimaric acids) and pimaranes (pimaric,

isopimaric and sandaracopimaric acids). The most abundant resin acids are two

abietanes, dehydroabietic acid (DHA) and abietic acid (ABA). The toxicity of

chlorinated compound increases with increasing number of chlorine atoms on organic

compounds. Recent studies indicate that natural resin acids and transformation

products may accumulate in sediments and pose acute and chronic toxicity to fish.

Several resins and their biotransformation compounds have also been shown to

bioaccumulate and to be resistant to biodegradation than the original material.
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4.8.5.1 Mycoremediation of Resin Acids

Resins are considered to be readily biodegradable. However, their remediation has

been shown to vary. Until recently, the microbiology of resin acid degradation has

received only scant attention. There is no conclusive evidence that fungi can

completely degrade these compounds. In contrast, a number of bacterial isolates and

activated sludge (Kostamo and Kukkonen 2003) have recently been described which

are able to utilise dehydroabietic and isopimaric acids as their sole carbon source.

4.8.6 Lignin Cellulose Degradation

Lignin is a highly complex, stable and irregular polymer which is structurally

similar to the resins. The lignin-degrading system has broad substrate specificity,

includes a large range of oxidoreductases and hydroxylases such as laccases and

high redox potential LiP, MnP, VP and others (see Sect. 4.3). Cellulose is a

polysaccharide consisting of a linear chain of several hundred to over ten thousand

b(1 ! 4)-linked D-glucose units. Cellulose is also an organic compound with the

formula (C6H10O5)n, possessing a complex structure, but it is easily degradable

by cellulolytic fungi. When it is present in complex form with lignin, then its

degradation occurs only after the removal of lignin.

4.8.6.1 Mycoremediation of Lignin and Cellulose

Sporotrichum pulverulentum was found to degrade lignin in the presence of phenol

oxidase enzyme. The lignin degradation abilities of wild type, a phenol oxidase-less

mutant and a phenol oxidase-positive revertant were compared by Ander and

Eriksson (1976) to determine if phenol oxidase activity is necessary for lignin

degradation by white-rot fungi. They found that the phenol oxidase-less mutant

was unable to degrade kraft lignin. The phenol oxidase-positive revertant, however,

regained the ability of the wild type to degrade kraft lignin.

Besides white-rot fungi, some non-white rots are also able to degrade lignin. For

example, Aspergillus foetidus, an isolated fungus, reduced lignin content along with
decolourisation, indicating strong correlation between the decolourisation and

lignolytic processes. Paecilomyces sp. exhibited significant reduction in lignin

(66 %) in sequential bioreactor supplemented with 1 % carbon and 0.2 % nitrogen

source in 6 h of retention time (Singh and Thakur 2004).
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4.8.7 Phenolic and Chlorophenolic Compounds

Chlorinated phenolic compounds are the most abundant recalcitrant wastes

produced by the paper and pulp industry which accumulated in the effluents after

secondary treatments. These compounds are produced upon the partial degradation

of lignin during bleaching process. These compounds pose a big concern to human

and environmental health due to their high toxicity to a wide range of organisms.

4.8.7.1 Mycoremediation of Phenolic and Chlorophenolic Compounds

White-rot fungi are a group of organisms very suitable for the removal of

chlorinated phenolic compounds from the environment. Chlorophenols act as

substrates for laccase and Mn-peroxidase that requires hydrogen peroxide and Mn

(II) for reaction, which can react with all the chlorophenols including the most

recalcitrant pentachlorophenol (PCP). The free-cell cultures of white-rot fungus

Panus tigrinus, when adapting to high concentrations (up to 2,000 mg/l) of 2,4,

6-trichlorophenol (2,4,6-TCP), transformation of a mixture of 2,4-DCP, 2,4,6-TCP

and PCP achieved (Leontievsky et al. 2000). The lifetime and reactivity of the

biomass can be achieved by immobilisation of free cells on to a support matrix,

which produces higher cell densities, higher and time-extended enzyme activities,

greater enzyme stability and subsequently a reduction in treatment cost.

Exposure of Trametes versicolor to increasing amounts of pentachlorophenol

(PCP) from 200 to 2,000 ppm leads to acclimatisation of the fungus to these toxic

pollutants. Free-cell cultures of acclimatised Trametes versicolor were compared

with cultures immobilised on nylon mesh for transformation of PCP and

2,4-dichlorophenol (2,4-DCP). A total addition of 2,000 ppm of 2,4-DCP and

3,400 ppm PCP were removed from the immobilised cultures with 85 % of

2,4-DCP and 70 % of PCP transformed by enzymes (laccase and Mn-peroxidase),

5 % 2,4-DCP and 28 % PCP adsorbed by the biomass and 10 % 2,4-DCP and 2 %

PCP retained in the medium at the termination of the fermentation. In contrast

free-cell cultures in the same medium with the same addition regime of PCP and

2,4-DCP transformed 20 % 2,4-DCP and 12 % PCP by enzyme action, adsorbed

58 % 2,4-DCP and 80 % PCP by the biomass and retained 22 % 2,4-DCP and

8 % PCP in the medium. This shows that immobilised acclimatised fungus can

remove chlorophenols more efficiently than free acclimatised fungal culture

(Selvam et al. 2002).

Lamar et al. (1993) compared the abilities of P. chrysosporium, P. sordida and

Trametes hirsuta to degrade PCP and found that P. chrysosporium is best in

degrading PCP. Extracellular peroxidases play an important role in the degradation

of chlorophenols by P. chrysosporium. Extracellular laccases and peroxidases

carry out the first productive step in the oxidation of chlorophenols, forming

para-quinones and consequently releasing a chlorine atom. Further degradative

steps involving several enzymes and highly reactive, nonspecific redox mediators
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produced by the fungus render it capable of efficiently degrading several toxic

compounds. Paecilomyces sp. exhibited significant reduction in phenol (40 %) in

sequential bioreactor supplemented with 1 % carbon and 0.2 % nitrogen source in

6 h of retention time (Singh and Thakur 2004).

Recently, the degradation of 2-chlorophenol (2-CP), 2,4-dichlorophenol (2,4-DCP),

2,4,6-trichlorophenol (2,4,6-TCP) and pentachlorophenol (PCP) was found to be

bioremediated by white-rot fungus Trametes pubescens (González et al. 2010).

These fungi may be used possibly for the bioremediation of paper and pulp industrial

wastes in the near future.

4.8.8 Colour

Paper and pulp industries discharge highly coloured effluents. The brown colour

of the effluent can be noticed many kilometres away from discharging point.

The reason of this colour is possibly the lignin and its derivatives.

4.8.8.1 Mycoremediation of Colour

Terrestrial white-rot basidiomycetous fungi and their lignin-degrading enzymes

laccase, manganese peroxidase and lignin peroxidases are useful in the treatment

of brown-coloured effluent of paper and pulp industries. Fungi involved in

decolourisation of paper and pulp are given in Table 4.6. Sometimes decolourised

effluent was found to regain colour after prolonged incubation which is possibly

due to high molecular weight colour components. To avoid decolourisation

instability, fungal bioreactor can be coupled with ultrafilteration.

4.8.9 Lipophilic Extractives

Primary clarifier effluent (PE) and a secondary clarifier effluent (SE) from a

treatment plant of a Finnish elementally chlorine-free (ECF)-bleached kraft pulp

and paper mill was found to possess lipophilic organic compounds (Koistinen et al.

1998) originating from kraft pulping and papermaking and identified by straight gas

chromatography/mass spectrometry (GC/MS) analyses. Lipophilic extractives also

exert a negative impact in pulp and paper manufacturing causing the pitch problems

and poor product quality (Back and Allen 2000).

4.8.9.1 Mycoremediation Lipophilic Extractives

Phlebia radiata, Funalia trogii, Bjerkandera adusta and Poria subvermispora
strains are the most promising organisms for the degradation of both free and
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esterified sterols present in the effluent of eucalypt wood-based paper and pulp

industries. Pycnoporus cinnabarinus and its laccase enzyme are used to treat

different model lipids—alkanes, fatty alcohols, fatty acids, resin acids, free sterols,

sterol esters and triglycerides—in the presence of 1-hydroxybenzotriazole as medi-

ator. Unsaturated lipids attack via the corresponding hydroperoxides. The enzy-

matic reaction on sterol esters largely depended on the nature of the fatty acyl

moiety, i.e. oxidation of saturated fatty acid esters initiated at the sterol moiety,

whereas oxidation of unsaturated fatty acid esters initiated at double bonds of the

fatty acid. In contrast, saturated lipids decreased when the laccase-mediated

reactions carried out in the presence of unsaturated lipids suggesting participation

of lipid peroxidation radicals. These results suggested the remediation of lipid

mixtures containing paper and pulp industrial wastes using laccase-mediator system

of different fungi.

4.8.10 Dissolved and Colloidal Substances

These substances are present in thermomechanical pulp and newsprint mill process

waters. These are derived from the woody component and can be degraded by

microbes in natural condition.

4.8.10.1 Mycoremediation of DCS

White-rot fungi Trametes versicolor possessed the highest growth on white water

and highest activity against the DCS components present in thermomechanical

white water. It shows significant decrease in the total dissolved and colloidal

substances (DCS), carbohydrates and extractives in 2 days and at 30 �C.

4.9 Conclusion

Insufficient and inappropriate disposal of sludge and effluent wastes of paper

and cardboard industries leads to various environmental and health problems.

Therefore, management of the increasing quantities of solid and effluent of paper

and cardboard industries is a global environmental issue. There is a lack of

knowledge, organisation and planning in waste management due to insufficient

information about regulations and due to financial restrictions in both large-

scale and small-scale paper and cardboard industries. The issue of waste mycore-

mediation is necessary due to the increasing quantities of waste and an inadequate

management system. Mycoremediation technology is a great boon which will

definitely help us in improving the existing situation and to minimise environmental

and health problems associated with paper and cardboard industrial wastes and
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pollutants. Therefore, in this chapter, we have discussed about the fungi, their

enzymes and the role of both in mycoremediation process and factors affecting

the process. Besides this, we have also discussed about the types of wastes and

pollutants generated by handmade paper, mill-made paper and cardboard industries

and strategies adopted for their mycoremediation. It was found that fungi have great

capability to degrade not only lignin or cellulose but also a variety of pollutants.

Therefore, these can be used successfully for remediating the paper and cardboard

industrial waste in free or immobilised form. However, there is a great lacuna in

mycoremediation technology of paper pulp and cardboard industrial waste which

will provide us good opportunity of research. In brief, it is suggested that every

industry should adopt mycoremediation technology and established treatment plant

at industrial level before discharging the waste into environment for contributing in

sustainable development without affecting the environment and production.
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Chapter 5

Degradation of Petroleum Pollutant Materials

by Fungi

Eri Hara and Hiroo Uchiyama

5.1 Introduction

Petroleum is one of the most important resources in today’s industrial economy.

However, the petroleum pollution to the soil and the aquatic environment is a

problem worldwide; cleanup of the polluted site was imposed in the United States

in 1980 by Superfund. Although physical and chemical techniques are mainly used,

recently, bioremediation has been used to cleanup the petroleum-contaminated soil.

Although there is abundant fungal biomass in soil, bacteria forms the predominant

group of microorganisms. They are involved in mineralization and humification

of organic matter, and in biogeochemical cycles, and pollutant degradation. In

particular, degradation of lignin, a constituent of a wide variety of environmental

pollutants, by white-rot fungi, has been reported (Bumpus et al. 1985; Bumpus and

Aust 1986; Aust 1990).

In addition, fungi play an important role in the utilization of petroleum pollutant

materials, and several fungi such as Aspergillus fumigatus and Penicillium sp.

exhibit greater ability to degrade petroleum pollutant materials than bacteria such

as Arthrobacter, Brevibacterium, Flavobacterium,Micrococcus, and Pseudomonas
(Cerniglia and Perry 1973). Fungi are able to degrade petroleum pollutant materials

into much smaller, environmentally nonhazardous fractions as compared to

bacteria, as demonstrated by Bartha and Atlas (1973).

In this chapter, we will describe bioremediation of petroleum pollutant

materials, with focus on fungi.
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5.2 Principles in Bioremediation of Contaminated Soil

5.2.1 Definitions

The environmental microbial community is composed of a wide variety of

microorganisms. Bioremediation is a technique that uses various metabolic

activities of these microorganisms to degrade pollutants. Therefore, no secondary

environmental pollution is created, if the microorganisms’ metabolic activities are

in the range of the natural degradation; moreover, this technique can be performed

at a low cost. Bioremediation is divided into two areas: biostimulation, which

activates indigenous microorganisms via addition of nutrients and improvement

of various soil conditions; and bioaugmentation, which promotes pollutant

degradation via inoculation of the microorganisms that can metabolize the target

materials. Biostimulation and bioaugmentation are often used in combination

to enhance microbial activity and promote pollutant degradation (Whiteley and

Lee 2006).

5.2.2 Bioremediation Strategies

Bioremediation is further divided according to whether the pollutant has moved

(ex situ) or not (in situ) from the pollution site.

5.2.3 In Situ Bioremediation

In situ bioremediation involves injection of an oxygen supply source, nutrients, etc.,

into the soil without excavation to activate indigenous microorganisms. Degrada-

tion efficiency is influenced by soil properties, difficulty of material supply,

existence of groundwater, and fluidity or soil conditions such as coexisting

materials. Various techniques have been adopted in response to such environmental

conditions.

Bioventing involves supplying oxygen to the unsaturated zone above the

groundwater level to activate the microorganisms. This activation can be amplified

by supplying nutrients when the pollution is dense.

Biosparging involves increasing biodegradability and the volatilization effect of

low-molecular-weight components via high-pressure injection of oxygen, air, and

nutrients into the saturated zone.

The most widely used technique is the injection method that promotes bio-

degradation by supplying oxygen and nutrients into the groundwater. The material

supply is increased by the combined use of a pumping well.
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5.2.3.1 Ex Situ Bioremediation

Land farming, which expedites aeration because of soil excavation, and biopiling,

which supplies water and nutrients to the soil, have been used to efficiently perform

bioremediation (Mohn et al. 2001; Picado et al. 2001; Schoefs et al. 2003). Ex situ

bioremediation is often considered to have the sure treatment effect since admixture

of the uniform nutrients is possible, although processing yard is required. In

addition, only ex situ bioremediation allows efficient optimization of incubation

parameters, including pH, aeration, and moistening.

5.2.4 Bioremediation Designing Systems

The general workflow from preliminary investigation to actual bioremediation

construction of the contaminated soil is as follows.

The pollution situation must first be accurately grasped. Planar distribution is

generally examined on the pollution status of surface soil using a 10 m mesh,

and the vertical distribution is clarified at 1,000-m2 intervals by boring. The

groundwater level and pollution status must also be investigated.

Once pollution is confirmed in the preliminary investigation, the cleanup

technique is selected accordingly. The treatment and cleanup countermeasures for

petroleum-contaminated soil can be classified into physicochemical processes and

bioremediation, although the choice is ultimately made according to the

components and status of pollution. The criteria for selecting bioremediation are

as follows:

– The pollutant content and components are in the biodegradable range.

– The soil condition and physicochemical properties are suitable.

– There is an area of cleanup yard within the polluted site.

– A general cleanup period is promised.

– The cleanup achievement level is not extremely severe.

To efficiently perform bioremediation, it is necessary to adjust soil conditions,

including moisture, oxygen, nutrient concentration, and pH, in which the

oil-degrading microorganisms are likely to be active. The concentration and

method of adding the nutrients is especially important, as they influence the success

or failure of bioremediation. It is important to confirm the biodegradability in the

laboratory at the same time as determining effective mixture conditions. The goal

is to use the correct nutrient concentration in order to maximize the effect of

bioremediation while minimizing the amount of residual nutrients.

After laboratory testing, degradability is confirmed considering the weather

conditions in the field. In addition to analyzing the soil’s oil concentration and

the constituents in a time-course study, it is also important to monitor the

microorganisms that directly participate in the degradation cleanup.
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The purpose of the actual cleanup is to reduce oil, oil stench, and oil film, effects

of which are controlled by chemical analysis (oil concentration test, oil dissolution

test, and stench concentration measurement). It is also necessary to control

temperature and respiration activity as well as the behavior of each oil-degrading

microorganism in order to maximize cleanup effect and safety. It is ideal to collect

samples from at least 5 places and 3 cross sections for a total of 15 places in order to

achieve uniform cleanup and measure the effect in replications of 3. Based on the

analysis results, it is necessary to thoroughly regulate aeration and other factors to

ensure favorable cleanup conditions.

5.3 Microbial Bioremediation

5.3.1 Bacteria

Bacteria that degrade the petroleum pollutant materials are reported in great

numbers, and the degradation pathway has also been clarified. Here, the degrada-

tion pathways of alkanes and aromatics that are the easily biodegradable fraction of

petroleum are shown.

The degradation pathway of n-octane is shown as a representative alkane in

Fig. 5.1. The first step of alkane metabolism is catalyzed by alkane hydroxylases.

To be specific, alkM catalyzes the metabolism of long-chain alkanes (C12–) via

terminal oxidation with hydroxylase (monooxygenase) systems or with dioxygenase

systems (Finnerty 1977), and alkB catalyzes the metabolism of medium-chain-length

(C6–C12) n-alkanes via a terminal oxidation pathway with monooxygenase systems

(May and Katoposis 1990) and includes unknown substrate specificity, n-alkane
oxidation pathways, and oxidation systems (Smits et al. 1999). The alkane terminal

is oxidized by the alkane-degrading bacteria, is converted into alcohol, aldehyde, and

higher fatty acids, and is finally metabolized in the b-oxidation pathway.

The degradation pathway of benzene is shown as a representative aromatic in

Fig. 5.2. It is known that most aromatics are metabolized to a common intermediate,

catechol, which is further oxidized via 2 ring-cleavage pathways, ortho and

meta, which are catalyzed by catechol 1,2-dioxygenase (C12O) and catechol

2,3-dioxygenase (C23O), respectively (Sei et al. 1999). Finally, the metabolized

aromatic enters the tricarboxylic acid cycle.

It has been reported that denitrifying microorganisms degrade alkane and

alkylbenzenes under anaerobic conditions (Ehrenreich et al. 2000; Rabus et al.

1999). In addition, involvement of sulfate-reducing bacteria in anaerobic biotrans-

formation pathways of fluorine and phenanthrene has been reported recently

(Tsai et al. 2009).
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5.3.2 Fungi

Petroleum pollutant material degradation is also reported by white-rot fungi such as

Pleurotus ostreatus and Trametes versicolor (Bogan et al. 1999; Rama et al. 2001). It is

possible that many white-rot fungi degrade lignin that is a persistent phenolic polymer.

Lignin peroxidase (LiP), manganese peroxidase (MnP), and laccases are well-known

enzymes that control lignin degradation. More recently, the enzyme versatile peroxi-

dase (VP), found in Pleurotus (Camarero et al. 1999) and other fungi (Pogni et al.

2005), has been described as a new type of ligninolytic peroxidase that combines the

catalytic properties of LiP andMnP (Heinfling et al. 1998) and is able to oxidize typical

LiP and MnP substrates. LiP and MnP can catalyze recalcitrant non-phenolic lignin

oxidation to form a high redox potential oxo-ferryl intermediate during reaction of the

heme co-factor with H2O2 (Jensen et al. 1996; Gold et al. 2000; Perez et al. 2002;

Fig. 5.3). Laccases concomitantly catalyze 1-electron oxidation. At the same time, a

range of phenolic compounds are used as hydrogen donors during the 4-electron

reduction of molecular oxygen to H2O (Fig. 5.3). The basis of these enzymatic

reactions, which pull out one electron from the substrate, is the electron oxidation

reaction. This reaction provides the radical and induces lignin to advance the degrada-

tion. These enzymes lack selectivity, resulting in a variety of intermonomer linkages.

This is because lignin contains a variety of aromatic structures that are formed in plant

Fig. 5.1 Degradation

pathway of n-octane. AlkB
works as an oxygenase of the

first departure in alkane

metabolism
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Fig. 5.2 Degradation pathway of benzene. C12O gene and C23O gene take part in ortho andmeta
ring cleavage of catechol that is common intermediate, respectively

Fig. 5.3 Catalysis reaction by LiP, MnP, and laccase. The mechanism of reaction is described in

equation. AH2 is the reducing substrate. AH is the reducing substrate after one-electron oxidation
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cell walls by oxygen-radical coupling reactions of 4-hydroxycinnamyl, 3-methoxy-4-

hydroxycinnamyl, and 3,5-dimethoxo-4-hydroxycinnamyl (Hammel 1992). Therefore,

these enzymes are able to oxidize a wide variety of organic compounds.

A P-450 system for degradation of petroleum pollutant materials has also been

reported (Tortella and Diez 2005; Bazalel et al. 1996). The biological functions

of cytochrome P-450 monooxygenases, such as xenobiotic and steroidogenesis

detoxification, are based on its ability to catalyze the insertion of oxygen into a

wide variety of compounds. As a representative example, the degradation pathway

of phenanthrene by P-450 monooxygenase is shown in Fig. 5.4. Numerous

polyaromatic hydrocarbons (PAHs) can also be oxidized to phenols that are subse-

quently conjugated with sulfate, glucuronic acid, or glucose by cytochrome P-450

(Cerniglia et al. 1982, 1986; Casillas et al. 1996; Pothuluri et al. 1996).

5.4 Microbial Diversity and Biodegradation

Numerous microorganisms can degrade petroleum pollutant materials such as

hydrocarbons. The elements (C, N, P, S, etc.) that function as the bases of biological

materials and the energy necessary for constructing them must be acquired for

microorganisms’ growth. Many petroleum-degrading microorganisms utilize

hydrocarbons as the carbon and energy source (Van et al. 2003). While many

Fig. 5.4 Degradation pathway of phenanthrene by P-450 monooxygenase. A metabolic pathway

is similar to that of mammals, which is considered to be the formation of diol-epoxides by P-450

monooxygenases and epoxide hydrolase. Another metabolic pathway involving hydroxylation by

a monooxygenase, conjugation with sulfate ion, followed by a further hydroxylation to

hydroxylarylsulfates compounds
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microorganisms can decompose petroleum pollutant materials into CO2 and H2O

under aerobic conditions, microorganisms that degrade into CH4 under anaerobic

condition are still being discovered. Numerous microorganisms can degrade and

utilize hydrocarbons as a growth carbon source, including 79 genera of bacteria,

9 genera of cyanobacteria, 103 genera of fungi, and 14 genera of algae (Roger

2005). Bacteria and fungi belonging to specific taxonomic groups tend to have the

ability of degrade oil. For example, Achromobacter, Acinetobacter, Alcaligenes,
Arthrobacter, Bacillus, Flavobacterium, Nocardia, and Pseudomonas are well-

known oil-degrading bacteria, while Aspergillus, Mortierella, Penicillium, and
Trichoderma are well-known oil-degrading fungi (Leahy and Colwell 1990).

Many microorganisms appear to be directly or indirectly petroleum decomposi-

tion because individual microorganisms can metabolize only a limited range of

petroleum pollutant materials (Britton 1984). For example, oil-degrading

microorganisms that utilize petroleum pollutant materials by direct attack,

non-oil-degrading microorganisms that use intermediates, biosurfactant-producing

microorganisms that promote contact between oil-degrading microorganisms and

oil, protozoa that prey on microorganisms, and phages that lyse microorganisms are

related: the network is formed, and oil decomposition is systematically completed

(Fig. 5.5). Understanding and controlling the mechanisms of such complex systems

in bioremediation are important.

Fig. 5.5 Microbial degradation network based on Head et al. (2006). Many microorganisms

directly or indirectly take part in the oil-degradation
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5.5 Factors Affecting Microbial Bioremediation

5.5.1 Environmental Factors

5.5.1.1 Temperature

Petroleum biodegradation is influenced by temperature, which affects the physical

nature and chemical composition of the oil, the rate of hydrocarbon metabolism by

microorganisms, and the composition of the microbial community (Atlas 1981).

The optimal temperature range for petroleum biodegradation is 30–40 �C, as

reported by Bossert and Bartha (1984). The onset of biodegradation is delayed at

low temperatures. In addition, the viscosity of the oil increases, volatilization of

toxic short-chain alkanes decreases, and water solubility increases (Atlas and

Bartha 1972). In soils, even at temperatures as low as �1.1 �C, biodegradation on

hydrocarbon has been observed (Leahy and Colwell 1990), but biodegradation rates

are expected to reduce considerably below 15 �C (Dibble and Bartha 1979).

5.5.1.2 Moisture

Soil microorganisms can biodegrade petroleum hydrocarbons only within a limited

range of favorable soil moisture conditions. The optimum moisture content for

petroleum hydrocarbon biodegradation is 50–80 % (Bossert and Bartha 1984).

Because the field capacity moisture content differs widely among soil types, it is

important to experimentally determine the field capacity for the soil sample under

investigation. A beneficial method is to add organic agents such as straw,

woodchips, and rice hulls to the soil in order to increase water retention when the

water-holding capacity of the soil is low.

5.5.1.3 Oxygen

Bacteria and fungi utilizing substrate oxidation pathway require molecular oxygen

for the initial steps in the catabolism of petroleum pollutant materials. Oxygen

availability in soil is dependent on the rate of microbial oxygen consumption, soil

type, whether the soil is waterlogged, and the presence of utilizable substrates that

can lead to oxygen depletion (Bossert and Bartha 1984). It has been observed

that hydrocarbon biodegradation reduces considerably when the gaseous oxygen

concentration in the soil drops below 2–5 % (v/v) (Huesemann and Truex 1996;

Hurst et al. 1997; Leeson and Hinchee 1997; Hupe et al. 1999). To sustain the

metabolic activities of microbial cells, the oxygen supply rate must match the

overall oxygen consumption rate under equilibrium conditions (Anderson and

Helder 1987; Huesemann and Truex 1996). Anaerobic bioremediation of petroleum

pollutant materials has also been reported, but the degradation rates were too slow
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for a practical bioremediation system (Ward and Brock 1978). Bolliger et al. (1999)

showed that mineralization of petroleum hydrocarbons in anaerobic aquifers is

linked to the consumption of oxidants such as O2, NO3
�, or others, with subsequent

production of the corresponding reduced species.

5.5.1.4 pH

In contrast to most aquatic ecosystems, soil pH can be highly variable, ranging from

2.5 in mine spoils to 11.0 in alkaline deserts (Bossert and Bartha 1984). Most

heterotrophic bacteria and fungi favor a near-neutral pH, with fungi being more

tolerant of acidic conditions (Atlas 1988). pH extremes, as observed in some soils,

would, therefore, be expected to have a negative influence on the ability of

microbial populations to degrade hydrocarbons. In general, it is assumed that the

optimum pH for petroleum biodegradation in soils is 6.0–8.0. If the soil is overly

acidic (pH < 6.0), lime or calcium carbonate may be added to increase the pH to

the desired range, whereas if the soil is overly alkaline (pH > 8.0), elemental

sulfur, ammonium sulfate, or aluminum sulfate may be added to lower the pH.

5.5.2 Material Factors

5.5.2.1 Nutrients

Nutrient availability is largely related to the adaptation of the concerned

microorganisms and their growth by utilizing hydrocarbons. Nitrogen and

phosphorus are considered the most important nutrients, because they are required

for the incorporation of carbon into the biomass. A wide range of optimal C:N and

C:P ratios have been reported in the literature. While Frankenberger (1992)

recommends a C:N:P ratio of 100:10:1, Dibble and Bartha (1979) found optimal

petroleum biodegradation with C:N and C:P ratios of 60:1 and 800:1, respectively.

In contrast, Brown et al. (1983) reported that a C:N ratio of 9:1 was optimal for

refinery sludge biodegradation, while Huddleston et al. (1984) suggested that the

C:N ratio should be maintained between 25:1 and 38:1. Morgan and Watkinson

(1989) carefully reviewed numerous biodegradation studies and found that optimal

C:N ratios between 9:1 and 200:1 had been reported for waste oil and sludge. The

best actual ratio is governed by the variable and complex composition of soils and

other factors such as nitrogen reserves and the presence of nitrogen-fixing bacteria

(Bossert and Bartha 1984).

5.5.2.2 Salts

KCl and NaCl contained in the soil influence the activity of oil-degrading

microorganisms. For example, Shiaris (1989) reported a generally positive
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correlation between salinity and rates of mineralization of phenanthrene and naph-

thalene in estuarine sediments. On the other hand, Ward and Brock (1978) showed

that hydrocarbon metabolism rates decreased with increasing salinity in the range

of 3.3–28.4 % and attributed the results to a general reduction in microbial

metabolic rates. Excessive salts can be removed from the soil by water flushing

or calcium treatment (Pollard et al. 1994).

5.5.2.3 Surfactants

The bioavailability and subsequent degradation of petroleum pollutant materials

can be improved by adding chemicals and biosurfactants. In particular, using

biosurfactants is expected since their persistence in the environment is low.

Many oil-degrading microorganisms synthesize and secrete biosurfactants. The oil

is separated from the surface of the soil particle by the biosurfactant and is easily

utilized by microorganisms, promoting decomposition. Ueno et al. (2006) inoculated

Pseudomonas aeruginosa strain WatG, the oil-degrading bacterium in the diesel

oil-contaminated soil, and confirmed that dirhamnolipid was produced in the soil

during alkane decomposition. It is assumed that the decomposition was promoted by

emulsification by the biosurfactant that P. aeruginosaWatG produced in diesel oil. In

addition, the report stated that phenanthrene degradation was promoted by co-

inoculation of phenanthrene-degrading and biosurfactant-producing bacteria (Dean

et al. 2001). On the other hand, a case has been reported in which the indigenous

microorganism was affected while the surfactants changed from in a concentration-

dependent manner (Colores et al. 2000).

The utilization of biosurfactants in future bioremediation is expected to be very

effective. Addition of 1–2 % biosurfactant to the soil is generally considered ideal.

However, if a quantity greater than the critical micelle concentration is added, the

pollutant does not come into contact with the degrading microorganisms. In such

cases, it is necessary to dilute the soil to increase the opportunities for contact

between the degrading microorganisms and pollutants (Billinqsley et al. 1999).

5.6 Bioremediation of Petroleum Pollutant Materials

5.6.1 Polyaromatic Hydrocarbons

PAH is the generic name for aromatics containing two or more benzene rings; they

are constituents of crude oil. Therefore, during oil spills, the environment becomes

highly polluted. Microbial degradation of PAHs became popular after bioremediation

was adopted for the removal of pollutants from the Prestige ship spill on the north

coast of Spain in November 2002 (Alcalde et al. 2006). Numerous microorganisms,

including bacteria, yeasts, and fungi, are known to be able to degrade PAHs
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(Mougin 2002; Aitken and Long 2004). White-rot fungi, including Pleurotus
ostreatus and Trametes versicolor, are well known for their PAH-degrading abilities.
Garon et al. (2004) assessed the potential of bioaugmentation by Absidia
cylindrospora, as a method to accelerate fluorene biodegradation in soil slurries.

In the presence of A. cylindrospora, �90 % of the fluorene was removed in 288 h,

whereas in the absence of fungal bioaugmentation, the process required 576 h. In a

recent study, Aspergillus fumigatus showed favorable anthracene degradation ability.
The molecular structure of anthracene changed with the action of A. fumigatus,
generating a series of intermediate compounds including phthalic anhydride,

anthrone, and anthraquinone by ring-cleavage reactions (Ye et al. 2011).

A novel bioremediation technology using a combination of biological surfactant

soil washing followed by PAH biological oxidation in the soil wash water by

Phanerochaete chrysosporium was studied by Zheng and Obbard (2002). The

removal efficiency for all the PAHs used was found to be >90 % by using a

combination of surfactant soil washing and P. chrysosporium.

5.6.2 Benzene–Toluene–Ethylbenzene–Xylenes

As the main component of gasoline, benzene–toluene–ethylbenzene–xylenes

(BTEX) is strongly related to environmental pollution around gas stations. Various

studies have tried to advance the bioremediation of BTEX by fungi (Oh et al. 1998;

Yadav and Reddy 1993; Prenafeta-Boldu et al. 2002, 2004). Chemostat experiments

were conducted with four pure cultures to determine the effects of ethanol on BTEX

biodegradation kinetics (Lovanh et al. 2002). A low ethanol concentration increased

benzene removal efficiency, but a high ethanol concentration induced a negative

effect. Advanced oxidation of BTEX by the extracellular hydroxyl radicals (*OH)

generated by Trametes versicolor was demonstrated in a recent study (Aranda et al.

2010). The production of *OH was induced by incubation of T. versicolor with

2,6-dimethoxy-1,4-benzoquinone and Fe3+-EDTA. All BTEX compounds (500 mM)

were oxidized at a similar rate, reaching an average of 71 % degradation in 6 h.

A study provided details of the coupled biological and chemical (CBC) model

for representing in situ bioremediation of BTEX (Maurer and Rittmann 2004). This

model contains novel features that allow it to comprehensively track the footprints

of BTEX bioremediation, even when the fate of those footprints is confounded by

abiotic reactions and by the complex interactions among different kinds of

microorganisms.

5.7 Conclusions and Perspectives

Bioremediation using fungi is expected because fungal enzymes (LiP, MnP,

laccases, and P-450 monooxygenase) can oxidize a wide variety of organic

compounds. In the natural environment, several species of white-rot fungi can
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co-metabolize petroleum pollutant materials with bacteria by improving compound

bioavailability. A study carried out with anthracene confirmed that all the detect-

able oxidation products of the breakdown of this compound by white-rot fungi can

be mineralized by indigenous bacteria (e.g., activated sludge) more rapidly than the

mineralization of anthracene (Meulenberg et al. 1997). Inoculation of fungal-

bacterial co-cultures into PAH-contaminated soil resulted in a significant improve-

ment in the degradation of some high-molecular-weight PAHs such as chrysene,

benzo [a] anthracene, and dibenzo [a, h] anthracene (Boonchan et al. 2000). Thus,

it was suggested that the degradation of petroleum pollutant materials in nature is a

consequence of sequential breakdown by fungi and bacteria, with the fungi

performing the initial oxidation step (Meulenberg et al. 1997; Sack et al. 1997;

Kotterman et al. 1998). In bioremediation, it is very important to understand the

microbial network to achieve efficient degradation. However, both culturable and

non-culturable microorganisms take part in degradation. To grasp the microbial

network system including non-culturable microorganisms, use of molecular

biological techniques such as stable isotope probing (SIP), denaturing gradient

gel electrophoresis (DGGE), and terminal restriction fragment length polymor-

phism (T-RFLP) is effective. Furthermore, because bioremediation effectiveness

differs from site to site, construction of a database of field experiments is needed.

Consequently, in the future, bioremediation is expected to become an established

scientific technology.
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Chapter 6

Bioremediation of Organic Pollutants Using

Phanerochaete chrysosporium

M.H. Fulekar, Bhawana Pathak, Jyoti Fulekar, and Tanvi Godambe

6.1 Introduction

Rapid industrialisation and urbanisation in the last century due to enormous

technological innovations have led to the problem of environmental pollution and

ecological concerns. Bioremediation is an option that offers the possibility to destroy

or render harmless various contaminants using natural biological activity. As such, it

uses relatively low-cost, low-technology techniques, which generally have a high

public acceptance and can often be carried out on site. Bioremediation can take place

under aerobic or anaerobic conditions. Under aerobic conditions, microorganisms

consume atmospheric oxygen to function. Under anaerobic conditions, no oxygen

is present. In this case, the microorganisms break down chemical compounds in

the soil to release the energy they need. Ideally, bioremediation results in the

complete mineralisation of contaminants to H2O and CO2 without the build-up of

intermediates. Bioremediation processes can be broadly categorised into two groups:

ex situ and in situ. Ex situ bioremediation technologies include bioreactors, biofilters,

land farming, and some composting methods. In situ bioremediation technologies

include bioventing, biosparging, biostimulation, liquid delivery systems, and some

composting methods.

At present, bioremediation is considered as a less expensive alternative to

physical and chemical means of degradation of organic pollutants. It deals with

substances that are anthropogenic, distributed in nature, and recalcitrant (Fulekar

2010). Most research within the field of bioremediation has focused on bacteria,
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with fungal bioremediation (mycoremediation) attracting interest just within the

past two decades. The toxicity of many of the above-named pollutants limits natural

attenuation by bacteria, but white rot fungi can withstand toxic levels of most

organopollutants.

Fungal remediation refers to the use of fungi to remediate organic soil

contaminants, primarily hydrocarbons. One group of fungi, Phanerochaete
chrysosporium or white rot fungus, produces a family of enzymes called lignin

peroxidases, or ligninases, which have extensive biodegrative properties. Remedi-

ation of soil using white rot fungus has been studied in both in situ and reactor-

based systems.

6.2 White Rot Fungus

6.2.1 Taxonomic and Morphological Characteristics

The kingdom Fungi is divided into many subunits, each more restrictive than the

next higher level. The white rot fungi are in the division Eumycota (true fungi),

subdivision Basidiomycotina, class Hymenomycetes, subclass Holobasidio-

mycetidae (Hawksworth et al. 1995). This subclass contains nearly all of the

wood-decay fungi, as well as the mycorrhizal, litter, and decomposer fungi. It

contains the mushrooms, puffballs, conks, and crustlike fungi. At the ordinal

level (one step below the subclass), the biological variation among representatives

is more reduced, especially as to function, and at the family level, there are only rare

cases of functional diversity (mycorrhizal vs. wood decay, brown rot vs. white rot).

White rot fungi are a physiological rather than taxonomic grouping of fungi,

comprising those fungi that are capable of extensively degrading lignin (a heteroge-

nous polyphenolic polymer) within lignocellulosic substrates. The name white rot

derives from the appearance of wood attacked by these fungi, in which lignin removal

results in a bleached appearance to the substrate.

6.2.2 Life Cycle

The genetic incompatibility systems found operating in the white rot fungi are just as

variable as those in the rest of the Basidiomycotina. There are homothallic species in

which the life cycle of the organism can be completed by growth of a spore or

other propagule containing a single haploid nucleus; that is, no anastomosis with

elements from an individual with a compatible nucleus is needed. These species are

uncommon, and no species known to be industrially important white rotters have

been unqualifiedly demonstrated to be homothallic. Heterothallic species are more

prevalent in the fungus kingdom. These species require that two compatible nuclei
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be associated through hyphal anastomosis in order for the life cycle to continue to

completion, resulting in the formation of basidia and haploid basidiospores. Most of

the white rot fungi possess a heterothallic incompatibility system (Fig. 6.1), which

may be one of two types. The bipolar (unifactorial) system possesses a single

incompatibility locus, which must differ in the associated nuclei, in order for

completion of the life cycle. However, other fungi possess two incompatibility

loci, both of which must differ in associated nuclei in order for a completed cycle

to occur. This is called a tetrapolar (bifactorial) incompatibility system.

6.2.3 Role in Bioremediation

The white rot fungi that cause white rot of wood have recently become the object

of increasing attention from workers in the hazardous waste field. These fungi

normally grow on decaying wood and forest litter and appear to be unique among

microorganisms in that they can rapidly depolymerise and mineralise lignin to

carbon dioxide.

White rot fungi produce unique extracellular oxidative enzymes that degrade

lignin, as well as related compounds found in explosive-contaminated materials,

pesticides, and toxic wastes. Lignin plays a key role in the carbon cycle as the most

abundant aromatic compound in nature, providing the protective matrix surrounding

the cellulose microfibrils of plant cell walls. This amorphous and insoluble

polymer lacks stereoregularity, and in contrast to cellulose and hemicellulose, it is

not susceptible to hydrolytic attack. Although lignin is a formidable substrate, its

degradation by certain fungi was recognised and described nearly 125 years ago.

Collectively referred to as white rot fungi (since they degrade brown lignin and

leave behind white cellulose), these are the only microbes capable of efficient

depolymerisation and mineralisation of lignin. All are basidiomycetes, a fungal

Fig. 6.1 Life cycle of

Phanerochaete
chrysosporium showing the

nuclear status of each state,

assuming a heterothallic

incompatibility system.

Source: Young and Akhtar

(1998)
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group that includes both edible mushrooms as well as plant pathogens such as smuts

and rust. White rot fungi are also able to degrade a wide variety of environmental

pollutants to carbon dioxide, including a number of chlorinated pollutants

such as DDT [1,1,1-trichloro-2,2-bis(4-chlorophenyl) ethane], lindane (1,2,3,4,5,

6-hexachlorocyclohexane), chlordane (1,2,4,5,6,7,8,8-octachloro-3a,4,7,7a-tetrahydro-

4-7-methanoindan), polychlorinated biphenyls-2,3,7,8-TCDD(2,3,7,8-tetrachlor-

odibenzo-p-dioxin), and 3,4-dichloroaniline. Biodegradation of the pollutants was

observed only during secondary metabolism, occurring at high rates only under

conditions of nutrient limitation, and is cometabolic, that is, a primary growth substrate

such as cellulose or glucose is required (Bumpus et al. 1988).

White rot fungus is known to degrade polyaromatic hydrocarbons (PAHs),

chlorinated aromatic hydrocarbons (CAHs), polycyclic aromatics, polychlorinated

biphenyls, polychlorinated dibenzo(p)dioxins, the pesticides DDT and lindane, and

some azo dyes (Cookson 1995). Degradation of Polyaromatic Hydrocarbons, which

include benzo(a)pyrene, pyrene, fluorene, and phenanthrene, is favoured at

nitrogen-limiting conditions and low pH (about 4.5) (Suthersan 1997). It has been

documented that white rot fungus is able to mineralise tri-, tera-, and pentachloro-

phenol (PCP), and a group of microbes in soil can completely mineralise PCP

(Suthersan 1997). Degradation of cyclodiene insecticides, including chlordane, by

white rot fungus has been demonstrated by Suthersan (1997). White rot fungus has

been observed to degrade TNT in laboratory-scale studies (using pure cultures);

however, factors that limit their effectiveness (see below) may retard widespread

use in the field. Results from bench-scale studies of mixed fungal and bacterial

systems indicate that most of the degradation of TNT is attributable to bacteria and

that most of the losses of TNT are due to adsorption onto the fungus and soil

amendments.

Most known white rot fungi are basidiomycetes, although a few ascomycete

genera within the Xylariaceae are also capable of white rot decay Eaton and Hale

(1993). Four main genera of white rot fungi have shown potential for bioremedia-

tion: Phanerochaete, Trametes, Bjerkandera, and Pleurotus (Hestbjerg et al. 2003).
Recently, white rot fungus, the only organism that degrades wood, was shown to

exhibit unique biodegradation capabilities. White rot fungi variously secrete one or

more of three extracellular enzymes that are essential for lignin degradation and

which combine with other processes to effect lignin mineralisation. They are often

referred to as lignin-modifying enzymes or LMEs. The three enzymes comprise two

glycosylated heme-containing peroxidases, lignin peroxidase (LiP, E.C. 1.11.1.14)

and Mn-dependent peroxidase (MnP, E.C. 1.11.1.13) (Orth and Tien 1995), and a

copper-containing phenoloxidase, laccase (Lac, E.C. 1.10.3.2) (Thurston 1994).

The lignolytic enzymes of white rot fungi have a broad substrate specificity and

have been implicated in the transformation and mineralisation of organopollutants

with structural similarities to lignin (Aust et al. 2003).
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6.3 Role of Lignin Peroxidase of White Rot Fungi

in Biodegradation

The lignin peroxidases, which appear to be intimately involved in the

mineralisation of chemicals, have several properties that make them particularly

unique. For example, they are produced in response to nutrient limitation, not by

derepression of enzyme synthesis. Therefore, the organism does not have to be

adapted to the chemical. Lignocellulosic materials are an ideal nutrient source since

they are natural substrates for the organism and are naturally low in nutrient

nitrogen yet contain the necessary nutrients for growth and a carbon source. The

enzymes are peroxidases so that the true substrate is H2O2, which is also naturally

produced by the fungi, given a suitable carbon source. A logical choice is the

fungus’ natural nutrient cellulose. The t-I202 activates the enzymes which then

react with the chemicals to initiate oxidation. The chemicals might react with the

heme iron of the enzyme, the cation radical of the heme porphyrin, or other portions

of the enzyme that might exist as a stable radical. The reaction can proceed until the

concentration of chemical is essentially as low as the concentration of activated

enzyme, as the reaction is a biomolecular free radical mechanism. This can result in

essentially non-detectable levels of chemicals even though the rate of degradation

may be slow at low chemical concentration. The lignin peroxidases and H2O2

are secreted by the fungi since lignin degradation must be at least initiated extra-

cellularly. This has significance for the degradation of environmental pollutants.

Often these chemicals are persistent in the environment because of their insolubility

in water, yet this would not be a deterrent for the white rot fungi. The lignin

peroxidases are like many peroxidases except that they have a very high oxidation

potential and thus are potentially able to oxidise chemicals not oxidised by other

peroxidises (Aust 1990).

6.4 Case Studies

White rot fungi have been demonstrated to be capable of transforming and/or

mineralising a wide range of organopollutants.

6.4.1 Biodegradation of Polycyclic Aromatic Hydrocarbons
by White Rot Fungus

Polycyclic aromatic hydrocarbons (PAHs) are an important class of persistent

organic pollutants (POPs) in the environment which originate mainly from the

incomplete combustion of fossil fuels, volcanic eruptions, and forest fires and are

released into the environment in the form of exhaust and solid residues. In recent
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decades, with the continuing development of industry (particularly the annually

increasing exploitation of petroleum and coal), the aromatic substances constantly

emitted into the environment have increased, resulting in an ongoing increase in

PAHs levels. This pattern of increasing environmental PAHs comprises a serious

risk not only for humans but for whole ecosystems. Gaspare et al. (2009) analysed

surface sediment and oyster samples from the inter-tidal areas of Dar es Salaam for

23 PAHs including the 16 compounds prioritised by US-EPA using GC/MS, and as

a result, the total concentration of PAHs in the sediment was found to range from 78

to 25,000 ng/g dry weight, while the oyster concentrations ranged from 170 to

650 ng/g dry weight. It is thus evident that PAHs pollution has become ubiquitous

in the region and that remediation of environmental PAHs requires our immediate

attention.

White rot fungus is a species of mycelial fungus which is saprophytic on trees

and leads to a decaying xylon white sponge-like mass. It can produce extracellular

oxidase in the cell lumen. In addition to the decomposition of lignin, white rot

fungus, with its capacity for high efficiency, low consumption, and broad-spectrum

degradation of pollutants, is widely applied in wastewater treatments and bioreme-

diation of polluted soil (and other urgent environmental applications), which

include the degradation of dye, TNT, PAHs, and other toxic organic pollutants.

Laccase (Lac), manganese peroxidase (MnP), and lignin peroxidase (LiP) are the

major lignin degradation enzymes of white rot fungus (Wu et al. 2008). Laccase is a

multicopper oxidase which can degrade a variety of complex structures of

xenobiotics (Sealey and Ragauskas 1998; Couto 2007; Pozdnyakova et al. 2006).

Knapp and Newby (1999) selected the five most effective strains for the

decolouration study of a chemical industry effluent. All five yielded 70–80 %

decolouration. Of these, the best were the strains of Coriolus versicolor.
Vahabzadeh et al. (2004) studied the white rot fungus Phanerochaete
chrysosporium treatment of molasses wastewater from an ethanolic fermentation

plant. Under the condition of diluting and adding a certain quantity of the spore to

the wastewater, the removal efficiency reached 75 % on the fifth day. Gomaa et al.

(2008) studied the ability of the white rot fungus P. chrysosporium to decolourise

Victoria blue B (VB) in textile dyes. The inhibition of laccase production (by

adding various inhibitors to the shaken cultures) exerts a potent influence on

the decolourisation of VB. When adding sodium azide and aminotriazole to inhibit

the activities of endogenous catalase and cytochrome P-450 oxygenase, the

decolourisation efficiency decreased by 100 and 70 %, respectively, while benzoate

resulted in only a 50 % decrease. Chupungars et al. (2008) studied PAH degradation

by Agrocybe sp. CU-43. At 100 ppm, fluorene was 99 % degraded within 6 days,

while at the same concentration, 99 and 92 % degradation of phenanthrene and

anthracene, respectively, occurred within 21 days, and fluoranthene and pyrene

were reduced by 80 and 75 %, respectively, within 30 days. In a soil model,

Agrocybe sp. CU-43 completely degraded 250 ppm fluorene at room temperature

within 4 weeks. This investigation focused on the PAH degradation effect

of aboriginal white rot fungus Pseudotrametes gibbosa (found in the northeast

forested area of China) and Pleurotus ostreatus (which has been studied both
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domestically in China and overseas) with the goals of identifying a potent degrada-

tive aboriginal fungus and providing technical support for bioremediation utilising

aboriginal white rot fungus.

6.4.2 Bioremediation of Contaminated Soils

Bioremediation of contaminated soils using white rot fungi has been investigated

for many years (Aust 1990). Andersson and Henrysson (1996) studied PAH

degradation by five white rot fungi (T. versicolor PRL 572, T. versicolor MUCL

28407, P. ostreatus MUCL 29527, Pleurotus sajor-caju MUCL 29757, and

P. chrysosporium DSM 1556) by adding anthracene, benz[a]anthracene, and

dibenz[a,h]anthracene to soil. The white rot fungi were cultivated in the soil

contaminated with wheat straw and these pollutants. In a heterogenous soil

environment, the fungi displayed different degradation abilities. Trametes showed
poor degradation performance, while anthracene was completely transformed by

Phanerochaete and Pleurotus. Marquez-Rocha et al. (2000) studied the degradation

of PAHs adsorbed by the white rot fungus, P. ostreatus. After 21 days, 50 % of

pyrene, 68 % of anthracene, and 63 % of phenanthrene were mineralised. The

respective biodegradation percentage was increased to 75 %, 80 %, and 75 % when

0.15 % Tween 40 was added. Biodegradation of pyrene in the presence of a

surfactant and H2O2 was 90 %. Eggen and Sveum (1999) investigated the effect

of inoculation by the white rot fungus P. ostreatus for PAHs degradation in aged

creosote-contaminated soil. P. ostreatus had an overall positive effect on the

degradation of PAHs, and under the preconditions, the degradation increased with

the increasing temperature. Chen et al. (2005) studied that temperature, medium

composition, dissolved oxygen, and the moisture content in the soil influenced the

degradation of PAHs.

The explosives TNT, HMX, and RDX are integral components of many

munitions. Degradation of TNT was investigated using four different strains of

white rot fungi (Phanerochaete chrysosporium, Phanerochaete sordida, Phlebia
brevispora, and Cyathus stercoreus) in the liquid medium (Donnelly et al. 1997).

The data indicated that TNT concentration (from 90 mg/L) in the liquid medium to

below detection limits. P. sordida showed a relatively high growth rate and the

fastest rate of TNT degradation. Chemical analysis revealed that the major

metabolites in the initial transformation of TNT were the monoamino-

dinitrotoluenes, which were also that white rot fungi are capable of metabolising

and detoxifying TNT under aerobic conditions in a nonlignolytic liquid medium.

The degradation of TNT by white rot fungi involved two distinct steps: the first step

was degradation to OHADNT and ADNT, and the second step was a DANT (Aken

et al. 1999). Axtell et al. (2000) reported that strains of P. chrysosporium and

P. ostreatus, adapted to grow on high concentrations of TNT, were able to cause

extensive degradation of TNT, HMX, and RDX.
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Much research has been conducted on the degradation of chlorinated

hydrocarbons. Zou and Zhang (1998) investigated the degradation of chlorinated

pesticide by over 90 %. Ruiz-Aguilar et al. (2002) reported that three white rot fungi

and achieved degradation of chlorinated pesticide by over 90 %. Ruiz-Aguilar et al.

(2002) reported that three white rot fungi were used to degrade a mixture of PCBs at

high initial concentrations from 600 to 3,000 mg/L, in the presence of a nonionic

surfactant (Tween 80). The PCBs were extracted from historically

PCB-contaminated soil. Preliminary experiments showed that Tween 80 exhibited

the highest emulsification index of the three surfactants tested (Tergitol NP-10,

Triton X-100, and Tween 80). Tween 80 had no inhibitory effect on fungal radial

growth, whereas the other surfactants inhibited the growth rate by 75–95 %. PCB

degradation ranged from 29 % to 70 %, 34 % to 73 %, and 0 % to 33 % for

T. versicolor and from 29 % to 70 %, 34 % to 73 %, and 0 % to 33 % for

T. versicolor, Phanerochaete chrysosporium, and Lentinus edodes, respectively,
in 10-day incubation tests. The highest PCB transformation (70 %) was obtained

with T. versicolor at an initial PCB concentration of 1,800 mg/L, whereas

P. chrysosporium could modify 73 % at 600 mg/L. Zou and Zhang (1998) studied

on the mechanism of degradation of chlorinated pesticides by white rot fungi by

analysing degradation products with GC-MS. They found that the 1,1-Cl on the

atom was more than the Cl atoms directly linked to the benzene ring during DDT

degradation and that dechlorination of the chloride atom on benzene was the rate-

limiting step of the reaction. Kamei et al. (2006) studied the degradation of

4,40-DCB by the white rot fungi P. chrysosporium, and Phanerochaete sp.

MZ142 was better than that of P. chrysosporium. Hydroxylation of 4,40-DCB by

Phanerochaete sp. MZ142 was different from hydroxylation by Phanerochaete sp.
Although 2-OH-4,40-DCB was not methylated, the metabolic pathway of 3-OH-

4,40-DCB was branched acid, 4-chlorobenzyl alcohol, and 4-chlorobenzaldehyde.

Degradation of PCP by the fungus was reported previously (Ullah and Evans 1999).

Degradation of lindane by P. ostreatus was studied by several researchers in

relation to degradation conditions (Rigas et al. 2005). The degradation of TCE by

the white rot fungus T. versicolor produces 2,2,2-trichloroethanol and CO2 with

chloral as an intermediate (Marco-Urrea et al. 2008). This pathway is different from

the aerobic metabolic degradation of TCE.

6.4.3 Wastewater Treatment

In recent years, many researchers have indicated that white rot fungi are promising

microorganisms in wastewater treatment. P. chrysosporium is the most investigated

species. Fan et al. (2001) developed a process for dye wastewater which consisted

of three parts—trifling electrolysis, biodegradation by white rot fungi, and floccu-

lation precipitation. CODCr removal reached 90 %, and chroma declined from

12,800 to 80 and met the wastewater with white rot fungi containing peat, and the

discharged water reached the standards in China. Huang and Zhou (1999) used
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white rot fungi to treat the TNT wastewater and achieved degradation of TNT by

more than 99 %. Fang and Huang (2002) treated bleaching wastewater of paper

pulp factory by a white rot fungus coagulation process, and CODCr and OD465 in the

effluent were 185.1 mg/L and 0.0042 under optical conditions. The removal

of COD and OD465 was 99.4 % and 86.5 %, respectively. The authors used

polyurethane foam as carriers to immobilise the white rot fungus P. chrysosporium
for the biodecolourisation of reactive dyes (Liang and Gao 2008). Results showed

that stable decolourisation was as high as 95 % in an immobilised reactor system

after incubating P. chrysosporium for only 2 days in comparison with 15 % in a

suspended culture for 5 days. The maximum activity of MnP was 915.62 U/L in

the immobilised system as compared with 324.90 U/L in the suspended culture

along with the consumption of the carbon and nitrogen substrates (Liang and Gao

2008). Vahabzadeh et al. (2004) studied the white rot fungus P. chrysosporium
for treating molasses wastewater from an ethanol fermentation plant. In diluted

wastewater, addition of spores caused a fading rate of up to 75 % on the fifth day.

The decolourisation was found to be correlated to the activity of the lignolytic

enzyme system. The lignin peroxidise (LiP) activity was 185 U/L, while manganese

peroxidise (MnP) activity was 25 U/L. Gomaa et al. (2008) studied the ability of the

white rot fungus P. chrysosporium to decolourise Victoria blue B (VB) in textile

dyes. Inhibition of laccase production by adding various inhibitors to the shaken

cultures had a great negative influence on decolourisation. When sodium azide

and aminotriazole were added to inhibit the activities of the endogenous catalase

and cytochrome P-450 oxygenase, the decolourisation rate decreased by 100 % and

70 %, respectively. Addition of benzoate resulted in a decrease of 50 %. Ergul et al.

(2009) studied treatment of olive mill wastewater and the operational conditions of

T. versicolor FPRL 28A INI. The results showed removal of phenolics by 78 % in

shake flasks and 39 % under static condition. In continuously stirred tank reactors

(CSTR), the removal of total phenolics reached 70 %.

6.5 Mechanisms of Biodegradation

The mechanism of biodegradation by white rot fungus depends on the compound

being degraded, but there are some consistent steps in the process regardless of the

substrate. The lignolytic enzymes in white rot fungi catalyse the degradation of

pollutants by using a non-specific free radical mechanism (Pointing 2001; Law

et al. 2003). When an electron is added or removed from the ground state of a

chemical, it becomes highly reactive, allowing it to give or take electrons from

other chemicals. This provides the basis for the non-specificity of the enzymes and

the ability of the enzymes to degrade xenobiotics, chemicals that have never been

encountered in nature. The main reactions that are catalysed by the lignolytic

enzymes include depolymerisation, demethoxylation, decarboxylation, hydroxyl-

ation, and aromatic ring opening. Many of these reactions result in oxygen

activation, creating radicals that perpetuate oxidation of the organopollutants
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(Reddy and Mathew 2001). Once the peroxidases have opened the aromatic ring

structures by way of introducing oxygen, other more common species of fungi and

bacteria can mineralise the products intracellularly into products such as CO2 and

other benign compounds (Hamman 2004).

Bioremediation using microorganisms is already an established technology,

although almost all currently employed treatments use prokaryotes. Treatments

employing white rot fungi offer the possibility to expand the substrate range of

existing treatments via biodegradation of pollutants that cannot be removed by

prokaryotes (or by chemical means). White rot fungal bioremediation treatments

may be particularly appropriate for in situ remediation of soils, where recalcitrant

compounds (e.g. the larger PAH) and bioavailability are problematic. A further

application may lie in the operation of bioreactors for certain compounds

(e.g. synthetic dyes) in liquid waste, where near-100 % degradation efficiencies

have been achieved using white rot fungi.

6.6 Principal White Rot Fungi in Bioremediation:

Phanerochaete chrysosporium

Phanerochaete chrysosporium as shown in Fig. 6.2, a lignin-degrading white rot

fungus, is known to mineralise a wide range of chloroaromatic environmental

pollutants to CO2. It produces different extracellular enzymes involved in lignin

degradation. P. chrysosporium has also been shown to mineralise a variety of

recalcitrant aromatic pollutants. Ligninase has been shown to catalyse limited

oxidation of benzo(a)pyrene and other polycyclic aromatics, as well as a number

of phenolic pollutants. P. chrysosporium has been the most intensively studied

white rot fungus. White rot fungi secrete an array of peroxidases and oxidases that

act non-specifically via the generation of lignin free radicals, which then undergo

spontaneous cleavage reactions. The non-specific nature and exceptional oxidation

potential of the enzymes have attracted considerable interest for application in

bioprocesses such as organopollutant degradation and fibre bleaching.

P. chrysosporium has several features that might make it very useful. First,

unlike some white rot fungi, it leaves the cellulose of the wood virtually untouched.

Second, it has a very high optimum temperature (about 40 �C), which means it can

grow on wood chips in compost piles, which attain a very high temperature. These

characteristics point to some possible roles in biotechnology.

In recent years, this white rot fungus P. chrysosporium has shown promise

as an organism suitable for the breakdown of a broad spectrum of environmental

pollutants, including polynuclear aromatic hydrocarbons (PAHs), 2,4,6-trinitrotoluene

(TNT), and polychlorinated hydrocarbons (PCBs). P. chrysosporium is also able to

degrade a wide variety of environmentally persistent xenobiotics to carbon dioxide,

including a number of chlorinated hydrocarbons such as DDT [1,1,1-trichloro-2,2-bis

(4-chlorophenyl)ethane], lindane (1,2,3,4,5,6-hexachlorocyclohexane), chloroanilines,

and polychlorinated biphenyls.
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6.7 Case Studies

6.7.1 Degradation of Pentachlorophenol by White Rot Fungus
(Phanerochaete chrysosporium)

Microorganisms are known to utilise phenolic substances, recalcitrant molecules,

and even xenobiotic compounds as carbon source for their growth. A. pseudomonas
sp. strain isolated from a consortium could be used very effectively for in situ

bioremediation in an environment which is highly contaminated with PCP, other

chlorinated phenols, and hexadecane (Murialdo et al. 2003). White rot fungi

efficiently degrade lignin, a complex aromatic polymer in wood that is among the

most abundant natural materials on earth (Martinez et al. 2004). The white rot fungi

have been widely studied for their ability to degrade variety of environmental soil

pollutants, including pentachlorophenol (Aiken and Logan 1996). Joyce et al.

(1987) reported that white rot fungi were able to degrade pentachlorophenol and

2,4,6-trichlorophenol at concentrations up to 250 mg/L and it could be reduced to

less than 5 mg/L in 96 h. If white rot fungi are to be used for large-scale bioremedi-

ation of PCP-contaminated soils and wastewaters, however, glucose media will

need to be replaced by other less expensive carbon sources. The fungus can degrade

various other xenobiotics such as polyaromatic hydrocarbons and chlorinated

aromatic compounds and also pollutants, which are covalently bound to humic

substances (Leung and Ponting 2002). The white rot fungus P. chrysosporium can

be used for bioremediation of phenolic, xenobiotic compounds, and decolourisation

of textile effluents. The siderophores detected from the culture of the organism have

been found useful in the decolourisation and remediation of the effluent (Asamudo

et al. 2005).

In this report, the results were examined by using lignosulphonate (LS) as a

fungal growth medium. LS is a waste product of paper mill industry generated

during the bleaching and pulping process. These solutions are highly coloured (dark

brown) due to their lignin content and therefore usually disposed of by incineration.

However, LSs contain large concentrations of wood sugars, nitrogen (17.6 g/L as

NH3-N), and other trace minerals needed for growth of fungi making LS a logical

Fig. 6.2 Picture showing

white rot fungus—

Phanerochaete
chrysosporium
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choice as an alternative growth substrate. The persistence of the dark colour of LS

could pose a problem for its use in soil bioremediation or wastewater treatment

processes. However, P. chrysosporium can decolour sulphonised azo dye

compounds which are structurally similar to the substructures of LS and

chlorolignins in paper mill waste streams.

6.7.1.1 Pentachlorophenol Degradation

P. chrysosporium has been demonstrated to mineralise up to 50.5 % of 14C-

radiolabelled PCP when grown under lignolytic culture conditions (Mileski et al.

1988), although no confirmation that LMEs were involved was obtained. Growth of

seven species belonging to the white rot fungal genus Phanerochaete was severely
reduced in the presence of even low levels (5 ppm) of PCP (Lamar et al. 1993).

The extent of PCP degradation in static flask cultures was evaluated based on the

disappearance of the PCP. PCP was added by injecting 10 mL of a 15 mg PCP/mL

ethanol solution into five Erlenmeyer flask 3 days after inoculation with fungi. On

days 5, 6, 7, and 8, the contents of each flask including mycelium were poured into a

stainless steel blender. To remove mycelium and PCP that was attached to the sides

of the flask was rinsed with 3 mL ultra pure water, 1 mL 95 % ethanol, and 3 mL

ultra pure water. In order to ensure both the liquid and mycelia samples were

homogenous, this mixture was blended on high speed for 2 min. This suspension

was then centrifuged at 4 �C for 30 min to separate mycelium from the liquid

medium. The total PCP in liquid was measured directly by injecting 20 mL into a

high-performance liquid chromatography (HPLC, Varian) equipped with a C-18

reverse phase column. The mobile phase was a 75:25:0.125 mixture of acetonitrile/

water/acetic acid. PCP was monitored at 238 nm and peak counts compared to a

standard calibration curve.

6.7.1.2 Assays of Extracellular Enzyme

The laccase (p-diphenol oxygen oxidoreductase) enzyme was assayed during PCP

degradation, and the assay was performed based on monitoring the rate of oxidation

of syringaldazine (Sealey and Ragauskas 1998) in a spectrophotometer (ECIL,

Hyderabad). The laccase plate assay was done as per the method of Srinivasan

et al. (1995).

6.7.1.3 Pentachlorophenol Removal and Degradation

Scientist compared the ability of fungus grown in a LS medium to degrade PCP

with fungus grown in a nitrogen-limited 2 % glucose medium by measuring the

disappearance of PCP from solution. Pentachlorophenol was successfully degraded

by Phanerochaete chrysosporium (TL 1) grown in media containing LS but lesser
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extent than cultures grown in glucose medium. Cultures of Phanerochaete
chrysosporium (TL 1) which are grown on nitrogen-limited glucose medium

removed 93 % of initial PCP during 5 days of incubation. When 2 % LS was

used as the nitrogen source and carbon source, PCP removal was 85 %. Similarly,

when LS was used as a nitrogen source, PCP removal was 86 %, and the overall

PCP degradation in the two media containing LS (2 and 0.23 %) was more or less

similar. Recovery of PCP from heat-killed control cultures appeared to be unaf-

fected. It is reasonable to assume that mineralisation would follow dehalogenation

since aromatic compounds such as phenol have been shown to serve as sole carbon

sources for growth of P. chrysosporium (Krivobok 1994). Other investigators have

generally observed more rapid removals of PCP by P. chrysosporium in liquid

cultures (Lamar et al. 1993) than observed here. Since the LSs inhibit laccase

enzyme activity, the percent PCP degradation was reduced for fungi grown in LS

media compared to nitrogen-deficient glucose medium.

6.7.2 Biodegradation of 2,4,6-Trinitrotoluene

A number of nitroaromatic compounds such as nitrobenzenes, o- and

p-nitrotoluene, 2,4-dinitrotoluene, and nitrobenzoates are mineralised at a relatively

slow pace by microorganisms. These chemicals have multiple applications in the

synthesis of polyurethane foams, herbicides, insecticides, pharmaceuticals, and

explosives, all of which are more recalcitrant than the raw material from which

they are synthesised. The most widely used nitroaromatic compound is 2,4,6-

trinitrotoluene (TNT). TNT is more recalcitrant than mono- and dinitrotoluenes

mainly because of the symmetric location of the nitro groups on the aromatic ring,

an arrangement that limits attack by classic dioxygenase enzymes involved in the

microbial metabolism of aromatic compound (Fig. 6.3).

The wood white rot fungus Phanerochaete chrysosporium has been the subject

of intensive study, and more recently other white rot fungi and litter decay fungi

have been investigated for their ability to transform TNT. This system contains

lignin peroxidase, manganese peroxidise (MnP), oxidases, reductases, hydrogen

peroxidase, veratryl alcohol, oxalate, and quinol oxidases. As in other organisms,

the initial steps in the fungal degradation of TNT involve the reduction of

nitro groups. Mycelia of P. chrysosporium reduce TNT to a mixture of 4-ADNT,

2-ADNT, 4-hydroxylamino-2,6-dinitrotoluene, and azoxytetranitrotoluenes.

Under lignolytic conditions, the aromatic compounds and azoxytetranitro-

toluenes disappear, and mineralisation can be fairly extensive. Aust and Stahl

provided evidence that TNT is reduced by a plasma membrane redox system in P.
chrysosporium that requires live and intact mycelia. Any conditions that disrupt the

integrity of the plasma membrane destroy the reductase activity. The presence of

compounds known to inhibit the membrane redox systems also inhibits TNT

reductase. The reduction coupled to the proton export system would be used by

the fungus to maintain the extracellular physiological pH at approximately 4.5
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(Esteve-Nunez et al. 2001). Rieble et al. (1994) had reported a membrane-associated

TNT reductase activity that required NADPH as a co-substrate and the absence of

molecular oxygen. Because activity was detected in the detergent-solubilised form,

where a membrane potential could not be maintained, a membrane potential redox

system was assumed to be inessential for this reaction. On the other hand, NAD(P)

H-dependent intracellular TNT reductase activity has also been described (Michels

and Gottschalk 1994). Regardless of the site where of TNT is reduced, further

degradation of these compounds and eventual mineralisation of TNT by

P. chrysosporium occur only when cultures are lignolytic, implying that lignin

peroxidase, MnP, and/or other enzymes of the lignolytic system further transform

the reduced products of TNT. The mechanism by which the fungi mineralise the

explosive is not known, but preliminary information about the process has been

reported (Hodgson et al. 2000; Michels and Gottschalk 1994). When lignolytic

cultures of P. chrysosporium were incubated with 4-ADNT, a compound identified

as 4-formamide-2,6-DNT was detected. This intermediate was transformed into

2-amino-4-formamide-6-nitrotoluene, a compound that disappeared rapidly under

lignolytic conditions but not under nonlignolytic ones.

Fig. 6.3 Scheme showing the coupling of electron donor compounds, TNT oxidoreduction, and

ATP synthesis, Pi, inorganic phosphate
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Most mineralisation studies have employed relatively low TNT concentrations,

but one study has shown that P. chrysosporium can germinate from spores, grow

vegetatively, and transform TNT at 20 ppm (Spiker et al. 1992). It was also shown

that when TNT was added to established liquid-grown cultures, the fungus was able

to transform TNT at levels of up to 100 ppm, although further germination and

vegetative growth were inhibited. Fernando et al. (1990) demonstrated TNT

mineralisation by P. chrysosporium in soils when present at levels of up to:

10,000 ppm. Bioremediation systems using P. chrysosporium for treating water,

soils, sediments, and other materials that are contaminated with toxic or recalcitrant

organopollutants or both have been found successful.

6.7.3 Biodegradation of Polynuclear Aromatic Hydrocarbons
by Phanerochaete chrysosporium

Polycyclic aromatic hydrocarbons (PAHs) are benzene homologues formed from

the fusion of four or more benzene rings. A considerable number of individual PAH

are found, and these arise from natural oil deposits and vegetation decomposition,

in addition to considerable anthropogenic production from the use of fossil fuels in

heating and power production, wood burning, vehicular transport, run-off from

bitumen roads, waste incineration, and industrial processes (Alloway and Ayres

1993). These compounds present huge problems of toxicity and persistence in the

environment. Significantly, the white rot fungi are the only organisms capable of

significant PAH mineralisation.

Phanerochaete chrysosporium has shown promise as an organism suitable

for the breakdown of a broad spectrum of environmental pollutants, including

polynuclear aromatic hydrocarbons (PAHs). It has also been shown that

P. chrysosporium can degrade the more recalcitrant PAHs containing four or

more rings. It appears that this degradation is due to the structural similarities of

these pollutants to portions of the lignin substructure and the low-level specificity of

the complement of ligninases produced by P. chrysosporium.
It was reported by Toby and Raymond 1992 that P. chrysosporium can be used

as supplement for enhanced in situ biodegradation of PAHs in oil tar-contaminated

soil obtained from a former oil gasification plant. Phenanthrene was one of the

principal PAHs in the soil and was therefore used as a tracer to monitor

mineralisation (i.e. complete degradation to CO2 and water) and metabolism

under various conditions.

6.7.4 Biodegradation of Gaseous Chlorobenzene by White Rot
Fungus: Phanerochaete chrysosporium

Evaluation of the effect of white rot fungus Phanerochaete chrysosporium on

removal of gaseous chlorobenzene was carried out by Wang et al. (2008). Fungal
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mycelium mixed with a liquid medium was placed into airtight bottles. A certain

amount of chlorobenzene was injected into the headspace of the bottles under

different conditions. At a certain interval, the concentrations in the headspace

were analysed to evaluate the degradation of chlorobenzene by P. chrysosporium.
The degradation effects of P. chrysosporium on chlorobenzene under different

conditions were investigated. The difference in the optimum temperature for the

growth of the fungi and chlorobenzene degradation was observed. The data

indicated that a lower temperature (28 �C) would promote the degradation of

chlorobenzene than the optimum temperature for the growth of the fungi (37 �C).
A low nitrogen source concentration (30 mg N/L) had a better effect on degrading

chlorobenzene than a high nitrogen source concentration (higher than 100 mg N/L).

A high initial concentration (over 1,100 mg/m3) of chlorobenzene showed

an inhibiting effect on degradation by P. chrysosporium. A maximum removal

efficiency of 95 % was achieved at the initial concentration of 550 mg/m3.

P. chrysosporium was found to have a rather good ability to remove gaseous

chlorobenzene. A low nitrogen source concentration and a low temperature

promote the removal of chlorobenzene by P. chrysosporium.

6.7.5 Biodegradation of Polychlorinated Biphenyls

Polychlorinated biphenyls (PCBs) are a family of compounds with a wide range

of industrial applications in heat transfer fluids, dielectric fluids, hydraulic fluids,

flame retardants, plasticisers, solvent extenders, and organic diluents. Phanerochaete
chrysosporium, a lignin-degrading white rot fungus, is known to mineralise a wide

range of chloroaromatic environmental pollutants to CO2 (Hammel et al. 1986).

Degradation of many of these pollutants was shown to be mediated by the lignin-

degrading enzyme system of this organism. Major components of the lignin-

degrading enzyme system include lignin peroxidises (LIPs), Mn(II)-dependent

peroxidases (MNPs), and the H2O2-producing system, which are induced during

secondary metabolism, under nutrient-limiting culture conditions but not under

nutrient-rich conditions.

In the United States and the United Kingdom, complex PCB mixtures were

manufactured under the trade name Aroclor. Three of the commonly used Aroclors

are 1242, 1254, and 1260, which contain 42, 54, and 60 % chlorine by weight, with

an average of 3, 5, and 6 chlorines per biphenyl molecule, respectively. Aroclors

consist of a number of congeners which differ in the number and distribution of

chlorines on the biphenyl nucleus. About 150 congeners have been reported in the

environment. PCBs have entered into soil and sediment environments as a result of

improper disposal of industrial PCB wastes and leakage of PCBs from electric

transformers. Evidence for substantial degradation of polychlorinated biphenyl

mixtures Aroclor 1242, 1254, and 1260 by the white rot fungus Phanerochaete
chrysosporium based on congener-specific gas chromatographic analysis has been

reported by Yadav et al. (1995). Maximal degradation (percent by weight) of
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Aroclors 1242, 1254, and 1260 was 60.9, 30.5, and 17.6 %, respectively. Most of

the congeners in Aroclors 1242 and 1254 were degraded extensively both in low-N

(lignolytic) as well as high-N (nonlignolytic) defined media. Even more extensive

degradation of the congeners was observed in malt extract medium. Congeners with

varying numbers of ortho, meta, and para chlorines were extensively degraded.

Aroclor 1260 was shown to undergo substantial net degradation by

P. chrysosporium.

6.7.6 Other Compounds

6.7.6.1 Organochlorines

Organochlorines like DDT are highly persistent and are extracellular LMEs of

P. chrysosporium were incapable of DDT degradation (Kohler et al. 1988).

Biodegradation of DDT can result in toxic and persistent metabolites. One study

has shown that 14C-radiolabelled 1,1-dichloro-2,2-bis(4-chlorophenyl)ethylene

(DDE), an extremely toxic and persistent DDT breakdown product, is mineralised

to 14CO2 by P. chrysosporium (Bumpus et al. 1993) degraded slowly in the

environment. The mineralisation of the dioxin 2,7-dichlorodibenzo-p-dioxin by

P. chrysosporium has been demonstrated (Valli et al. 1992). In this study purified

LiP and MnP were capable of mineralisation in a multistep pathway involving

sequential oxidation, reduction, and methylation reactions to remove the two Cl

atoms and carry out ring cleavage.

6.7.6.2 Synthetic Dyes

Synthetic dyes are chemically diverse, with those commonly used in industry

divided into those of azo, triphenylmethane, or heterocyclic/polymeric structure

(Gregory 1993). Early studies showed that polymeric dyes were decolourised by

lignolytic cultures of P. chrysosporium and that inhibitors of lignin degradation also

inhibited dye decolourisation (Glenn and Gold 1983). LiP of P. chrysosporium has

been shown to decolourise azo, triphenylmethane, and heterocyclic dyes in the

presence of veratryl alcohol and H2O2 (Cripps et al. 1990; Ollikka et al. 1993).

6.7.6.3 BTEX

Benzene, toluene, ethylbenzene, and xylene used in the gasoline and aviation fuels

are found to be degraded by P. chrysosporium (Yadav and Reddy 1993).
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6.8 Bioremediation Mechanism of Phanerochaete
chrysosporium

During the past several years, one organism which has been examined for its ability

to degrade recalcitrant pollutants is the white rot fungus P. chrysosporium.
Although the natural substrate degraded by this organism is lignin, the enzyme

complement secreted by P. chrysosporium can degrade a variety of recalcitrant

pollutants. This white rot fungi P. chrysosporium technology is very different from

other well-established methods of bioremediation (e.g. bacterial systems). The

differences are primarily due to the unusual mechanisms which nature has provided

them with and several advantages for pollutant degradation. One distinct advantage

these fungi have over bacterial systems is that they do not require preconditioning

to the particular pollutant. Bacteria usually must be preexposed to a pollutant to

allow the enzymes that degrade the pollutant to be induced. The pollutant also must

be in a significant concentration; otherwise, induction of enzyme synthesis cannot

occur. Thus, there is a finite level to which bacteria can degrade pollutants. Also

because the induction of the degrading enzyme is not dependent on the pollutant in

the fungi, the pollutant can be degraded to a near non-detectable level. In contrast to

the bacterial system, the degradative enzymes of white rot fungi are induced by

nutrient limitation. Thus, cultivation of the white rot fungi on a nutrient-limited

substrate will initiate the process (Tuomela et al. 1999).

P. chrysosporium has shown to mineralise a variety of recalcitrant aromatic

pollutants. Ligninase has been shown to catalyse limited oxidation of benzo(a)pyrene
and other polycyclic aromatics, as well as a number of phenolic pollutants. The

fungus can degrade various other xenobiotics such as polyaromatic hydrocarbons and

chlorinated aromatic compounds, and also pollutants, which are covalently bound to

humic substances (Pointing 2001). Humic substances consist of aromatic rings

connected by flexible and rather long aliphatic chains (Tuomela et al. 1999). This

structure is formed by oxidative ring opening lignin, loss of phenolic and methoxyl

groups, and an increase in carboxyl and carbonyl group. Humic substances are thus

less aromatic and have fewer methoxyl and more carboxyl groups than lignin. During

the degradation of xenobiotics, the white rot fungi often polymerise or convert

substantial amount of compounds to humic bound products.

It is clear that the biodegradative activity of P. chrysosporium is a complex one.

Understanding the mechanisms of the biodegradation role of this fungus is very

important if one must explore the unique enzyme system in it for remediation of

coloured and complex, toxic effluents. The development of biotechnologies using

white rot fungi has been implemented to treat various refractory wastes and to

bioremediate contaminated soils. Degradation of many hazardous chemicals and

wastes has been demonstrated on a laboratory scale, especially under sterile conditions.

The technical challenge remains for the application including bacterial contamination

and for the scaleup of the process. The white rot fungus P. chrysosporium has been

applied for scaled-up bioremediation in the field.
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6.9 The Requirements for Successful Bioremediation

in Order to Better Understand Research Progress

on White Rot Fungi

(a) Microorganisms must exist that have the needed catabolic activity.

(b) Those organisms must have the ability to transform the compound at reasonable

rates and bring the concentration to levels that meet regulatory standards.

(c) They must not generate products that are toxic at the concentrations likely to be

achieved during the remediation.

(d) The site must not contain concentrations or combinations of chemicals that are

markedly inhibitory to the biodegrading species, or means must exist to dilute

or otherwise render innocuous the inhibitors.

(e) The target compound(s) must be available to the microorganisms.

(f) Conditions at the site or in a bioreactor must be made conducive to microbial

growth or activity, for example, an adequate supply of inorganic nutrients,

sufficient O2, or some other electron acceptor, favourable moisture content,

suitable temperature, and a source of C and energy for growth if the pollutant is

to be cometabolised.

(g) The cost of the technology must be less or, at worst, no more expensive than

that of other (Alexander 1994).

More research and development is still needed for cost-effective and sustainable

application. The stability of the enzymes in relation to the physicochemical nature

of the effluents is an important factor in evaluating both technical and economic

feasibility of using this organism commercially in bioremediation projects. Thus,

the rate of enzyme inactivation is an important component of the overall kinetics of

any proposed enzymatic process. Continuous research will eventually close the

present gap in knowledge about the use of this organism.

6.10 Conclusion and Future Perspective

Industrial processes and operations generate the hazardous wastes such as petro-

leum hydrocarbons and pesticides. In spite of the present treatment technology,

residual compounds have been persisting in soil, water, and environment. Research

studies on bioremediation with special reference to the use of Phanerochaete
chrysosporium for biodegradation of hazardous compounds have been reported.

Phanerochaete chrysosporium —lignin degrader, white rot fungus—is known to

degrade pentachlorophenol, polychlorinated biphenyls, and chlorinated aromatic

compound pollution into environmentally friendly compounds.

The growth of Phanerochaete chrysosporium and the conditions required for the

biodegradation of compounds with special reference to research studies are

highlighted so that white rot fungus can be used as effective measure for the
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biodegradation of hazardous waste compounds such as polycyclic aromatic

hydrocarbons (PAHs), chlorobenzene, organochlorines, and synthetic dyes.

Phanerochaete chrysosporium will be effective and efficient microbial source for

the hazardous waste compounds to clean up the environment.
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Chapter 7

Bioremediation of PAH-Contaminated Soil

by Fungi

Irma Susana Morelli, Mario Carlos Nazareno Saparrat, Marı́a Teresa Del

Panno, Bibiana Marina Coppotelli, and Angélica Arrambari

7.1 Introduction

Polycyclic aromatic hydrocarbons (PAHs) constitute a class of hazardous organic

chemicals consisting of three or more fused benzene rings in linear, angular, and

cluster arrangements (Cerniglia 1992). PAHs are unique contaminants in the
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environment because they are generated continuously by the inadvertently incom-

plete combustion of organic matter, for instance, in forest fires, home heating,

traffic, and waste incineration (Johnsen et al. 2005). It is estimated that more than

90 % of the total burden of PAHs resides in the surface soils, where most of these

compounds accumulate (Wild and Jones 1995). These ubiquitous organic pollutants

exhibit strong carcinogenic and toxic properties (Berthe-Corti et al. 2007).

In soil, PAHs may undergo adsorption, volatilization, photolysis, and chemical

oxidation, although microbial transformation is the major degradation process. The

bioremediation of soil contaminated with PAHs should be a more efficient, finan-

cially affordable, and adaptable choice than physicochemical treatment because it

presents potential advantages such as the complete degradation of the pollutants,

lower treatment cost, greater safety, and less soil disturbance (Habe and Omori 2003).

Several microorganisms, such as bacteria, yeasts, and filamentous fungi, are

capable of using and mineralizing different types of PAHs. Low-molecular-weight

(LMW) PAHs, such as naphthalene, phenanthrene, and anthracene, are usually

readily degraded by bacteria and fungi in soil and under laboratory conditions

(Peng et al. 2008). However, high-molecular-weight (HMW) PAHs (four and

more rings) are more persistent, in part because of their low bioavailability, due

to their strong adsorption onto the soil organic matter. Of the microorganisms

identified to have the capability to degrade PAHs in the environment, fungi have

been shown to be relatively more successful than bacteria in breaking down HMW

PAHs (Potin et al. 2004). Furthermore, filamentous fungi have an advantage over

unicellular forms since the fungal mycelium could grow into the soil and distribute

itself through the solid matrix to degrade PAHs (Cerniglia 1997).

This chapter summarizes the recent information on the metabolic pathway of the

fungal transformation of PAHs and provides a critical review of previous work

about fungal bioremediation of PAH-contaminated soil. In addition, this chapter

discusses some of the most recently used fungal technology to enhance PAHs

bioremediation process.

7.2 PAHs as Soil Contaminants

7.2.1 Physicochemical and Toxicology Properties of PAHs

It is well established that the fate of PAHs in the environment is primarily controlled

by their physicochemical properties (Ferreira 2001). PAHs are nonpolar compounds

with general physicochemical properties such as (1) low water solubility; (2) low

Henry’s law constant, a coefficient which represents the air/water partitioning;

(3) high hydrophobicity or lipophilicity, represented by the n-octanol/water partition
coefficient (Log Kow); (4) low organic carbon partition coefficient; and (5) high

bioconcentration factor (Berthe-Corti et al. 2007). The physicochemical properties

of some commonly studied PAHs are given in the Table 7.1.
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Generally, LMW PAHs are more volatile, more water soluble, and less lipophilic

than HMW PAH (Table 7.1). An increase in the size and angularity of a PAH

molecule results in a concomitant increase in hydrophobicity and electrochemical

stability, two of the primary factors which contribute to PAH persistence in the

environment (Cerniglia 1992).

Many PAH compounds are known or suspected to be toxic, mutagenic, and, in

some cases, carcinogenic (Table 7.1). PAHs were, perhaps, the first recognized

environmental carcinogens (Haritash and Kaushik 2009). In addition to the increase

in environmental persistence with the increase in PAH molecule size, evidence

suggests that in some cases, PAH genotoxicity also increases with size, up to at least

four or five fused benzene rings (Cerniglia 1992). Besides human and animal health

risks, PAHs are also a potential risk to the soil ecosystems (Berthe-Corti et al. 2007).

On the basis of their abundance and toxicity, the US Environmental Protection

Agency (EPA), the World Health Organization (WHO), and the Communautée

Economique Européenne (CEE) selected a list of 16 PAH as priority contaminants

(Table 7.1).

7.2.2 Origen of Soil Contamination with PAHs

The PAHs are formed during the thermal decomposition of organic molecules

and their subsequent recombination. Incomplete combustion at high temperature

(500–800 �C) or subjection of organic material at low temperature (100–300 �C)
for long periods results in PAH production (Haritash and Kaushik 2009).

PAHs released into the environment may originate from many sources that

include natural sources (volcanoes activity, forest fires, etc.) and anthropogenic

sources (tobacco smoke, burning of wood, fossil fuel, application of pesticides in

agriculture or for wood protection, municipal solid waste incineration, and indus-

trial activity related with petroleum refining and transport).

Though PAH are the chief pollutants of air, soil acts as the ultimate depository

of these chemicals. In consequence and as a result of anthropogenic activities, the

concentration of PAHs in soils has increased considerably since the nineteenth

century. However, the concentration of PAHs in soils varies widely depending on

the level of industrial development of the area. For example, an analysis of different

municipal areas of Ensenada City (Argentina) revealed concentrations of PAHs

between 0.10 and 56.90 mg kg�1 (dry soil) of the upper soil layer (Pessacq et al. 2010).

7.2.3 Fate of PAHs in Soil

Soil is one of the major sinks for organic pollutants due to their strong affinity to

naturally occurring organic matter (Yang et al. 2010). Once in the soil, PAHs

undergo many loss processes: volatilization, leaching, uptake by biota, and physical
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mass transport. However, the principal PAH loss process from soil is through

microbial degradation (Doick et al. 2005). Rate and extension of a PAH biodegra-

dation process depends on many factors such as the physicochemical characteristic

of PAHs, soil composition and texture, weather and climate, and composition and

activity of the microbial community.

The fate of PAHs in soil is largely governed by their bioavailability. Reduced

bioavailability results from the interaction of pollutants with both organic and

inorganic components of the soil matrix: diffusion limitation due to sequestration

of the pollutant into nanoscale pores, binding to soil minerals by ionic or electrostatic

interactions, oxidative covalent coupling of the pollutant with soil organic matter, and

partition/dissolution of the pollutants into the soil organic matter (Head 1998)

(Fig. 7.1). Hence, the rate of biodegradation may be limited by the rates of diffusion

from the micropores, partitioning out of the organic matter, or desorption from

surfaces.

7.3 Fungal Transformation of PAHs

The use of fungi and their enzymatic systems to decontaminate and detoxify soils

and waters constitutes a promising management in bioremediation strategies.

Yeasts and/or filamentous fungi, which can be either naturally occurring or delib-

erately introduced into a polluted site, can remediate the environment mediating by

Fig. 7.1 Fate of PAHs in soil (adapted from Semple et al. 2003)
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several mechanisms. In this sense, the transformation of PAHs and other toxic

organic compounds by fungi can play three roles in fungal biology:

1. An assimilative role that consumes and breaks down pollutants (being it used as

sole carbon source) and thus yields carbon and energy for the degrading fungus

and goes along with the conversion into harmless by-products such as simpler

organic compounds and the mineralization (complete transformation into CO2

and H2O) of the compound or part of it.

2. Detoxification mechanisms which involve chemical alterations in the pollutants

and the consequent conjugation, polymerization or immobilization of them into

soil humic substances (humification and stabilization) (Cerniglia 1984) through

covalent links to macromolecular soil organic matter (Richnow et al. 1997)

where only the turnover of the organic matter would lead to the availability of

the pollutant carbon. PAH conjugates are generally less toxic and more soluble

than their respective parent compounds.

3. Co-metabolism, which is the degradation of PAHs or other pollutants without

generation of energy and carbon for the fungal metabolism. A contaminated soil

could be detoxified by fungi naturally growing on wood such as white-rot ones

mainly via co-metabolism, obtained its source of carbon for mycelial growth

from degradation of available and assimilable substrates such as cellulose or

glucose. In this sense, the attack of pollutants by those fungi can be stimulated in

the soil by the addition of straw or wood chips.

Fig. 7.2 Main fungal groups involved in the transformation of PAHs: enzymatic systems
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7.3.1 Metabolic Pathways for Fungal Transformation
of Pollutants

Lignin is a complex aromatic heteropolymer with a large array of interunit linkages,

being one of the most recalcitrant natural compounds towards both chemical and

biological transformation. Therefore, its removal represents a key step in the carbon

cycle (Ruiz-Dueñas and Martı́nez 2009). Based on the ability to degrade and miner-

alize it, the fungi can be classified in two main groups: ligninolytic fungi or also

known as the white-rot fungi (WRF), which grow on wood and forest-leaf litter

(Martı́nez et al. 2005; Saparrat et al. 2008a), and non-ligninolytic ones, which have

differential metabolic strategies to transform PAHs and other pollutants (Fig. 7.2). The

ability to open and mineralize the aromatic ring of lignin and PAHs is characteristic of

ligninolytic fungi (Bezalel et al. 1997). While the enzymatic systems involved in the

intracellular metabolism of PAHs by the fungi, either ligninolytic ones or non-

ligninolytic ones, include cytochrome P450 monooxygenases and epoxide hydrolases,

WRF transform, degrade, and mineralize lignin significantly, as well as several

pollutants (including PAHs), bymeans of an oxidative and unspecific complex system

that includes extracellular oxidoreductases. Many ligninolytic fungi such as

Phanerochaete chrysosporium and Pleurotus ostreatus produce both non-ligninolytic
and ligninolytic type enzymes, but it is unclear to what extent each enzyme contributes

to the transformation of the PAH molecule (Bamforth and Singleton 2005).

7.3.2 Ligninolytic System from WRF

Lignin is a complex three-dimensional bulky polymer, being the result of reactions

among three p-hydroxycinnamyl alcohols, p-coumaryl, coniferyl, and sinapyl

alcohols, and their acylated forms (Martı́nez et al. 2005). Lignin is probably one

of the most recalcitrant compounds synthesized by plants, which is mostly abundant

in trees and the main contributor to wood strength (Saparrat et al. 2008b). Recently,

lignin has gained increasing attention, in parallel with global population growth and

industrial development in the world, as its degradation is the key factor in lignocel-

lulose decay in nature, being it only degraded by a few organisms such as WRF

(mainly from the phylum Basidiomycota; Martı́nez et al. 2005) as well as in the

industrial application of plant biomass (Jurado et al. 2011). Due to its high molecu-

lar size and heterogeneous structure, lignin can only be attacked outside the fungal

cell through a complex oxidative and unspecific system that involves extracellular

enzymes, low-molecular-mass metabolites, which are mainly redox mediators, and

active species of oxygen (Saparrat et al. 2002, 2008b, 2010). In this sense, the

degradation of lignin by WRF was defined by Kirk and Farrell (1987) as enzymatic

combustion and the concomitant action of those extracellular components and

reductive reactions carried out by cell-bound systems seem to determine the

effectiveness of WRF to degrade and mineralize lignin as well as other recalcitrant

compounds such as single aromatic molecules, humic acids, and other xenobiotics
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Table 7.2 Synthesis and roles of laccases in fungi (adapted from Saparrat and Balatti 2005)

Fungus Ecological and/or taxonomical status Putative physiological role

Agaricus bisporus Basidiomycota Oxidation of phenolics

Armillaria mellea Root pathogen white-rot

Basidiomycota
Formation of rhizomorphs

Armillaria mellea Root pathogen white-rot

Basidiomycota
Oxidation of phenolics

Aspergillus nidulans Soil anamorph of Ascomycota Synthesis of pigments

Aureobasidium
pullulans

Black yeast Synthesis of pigments

Botrytis cinerea Soft rot anamorph of Ascomycota Oxidation of phytoalexins

Chaetomium
thermophilium

Cellulolytic Ascomycota Humification

Chalara paradoxa Anamorph of Ascomycota Oxidation of phenolics

Cochliobolus
heterostrophus

Plant pathogen Ascomycota Synthesis of melanin

Colletotrichum
graminicola

Plant pathogenic anamorph of

Ascomycota
Fungal survival

Coriolopsis rigida White-rot Basidiomycota Degradation of aromatic

compounds

Cryphonectria
parasitica

Chestnut blight Ascomycota Oxidation of polyphenolics

Cryptococcus
neoformans

AIDS-related opportunistic pathogen

anamorph of Basidiomycota
Oxidation of catecholamines

and melanization

Fusarium proliferatum Soil-inhabiting anamorph of

Ascomycota
Oxidation of phenolics and

humification

Gaeumannomyces
graminis var. tritici

Phytopathogenic Ascomycota Melanin polymerization and

lignin depolymerization

Heterobasidion
annosum

Root pathogen white-rot

Basidiomycota
Oxidation of lignans and lignin

degradation

Lentinus edodes White rot Basidiomycota Fruiting body formation

Lentinula (Lentinus)
edodes

White-rot Basidiomycota Mechanism of defense

Leptosphaerulina
briosiana

Ascomycota Synthesis of melanin

Marasmius
quercophilus

Leaf litter-degrading white-rot

Basidiomycota
Oxidation of aromatic

compounds

Ophiostoma novo-ulmi Dutch elm disease pathogen

Ascomycota
Oxidation of phenols or

resistance

Penicillium
chrysogenum

Soil-inhabiting anamorph of

Ascomycota
Lignin mineralization

Pleurotus eryngii White-rot Basidiomycota Lignin degradation

Pycnoporus
cinnabarinus

White-rot Basidiomycota Ligninolysis and pigment

synthesis

Rhizoctonia praticola Soil anamorph of Basidiomycota Oxidation of phenolics

Rhizoctonia solani Soil–living plant–pathogenic anamorph

of Basidiomycota
Detoxification

Schizophyllum
commune

White-rot Basidiomycota Fruit body development

(continued)
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including PAHs (Jurado et al. 2011). Extracellular nature of ligninolytic system

enables to their enzymes to be able to diffuse into the soil/sediment matrix and

potentially oxidize PAHs with low bioavailability (Rodrı́guez et al. 2004). Like-

wise, simple products from degradation can enter the fungal hyphae and to be

incorporated into intracellular catabolic routes.

The extracellular ligninolytic enzymatic systems have low substrate specificity and

include ligninolytic peroxidases, laccases, oxidases responsible for the production of

extracellular hydrogen peroxide (H2O2), and reductases (Martı́nez et al. 2005). These

enzyme systems exhibit differential characteristics depending on the fungal species,

strains, and culture conditions, being also regulated by chemical agents and several

nutrients such as nitrogen, as well as by their concentration level (Martı́nez et al.

2005; Saparrat et al. 2008b). In this sense, several patterns of lignocellulose decay by

WRF and ligninolytic enzyme synthesis either involving a single enzyme type or

various associated enzyme complexes acting sinergically may equally (alternately)

participate in an active degradation of lignin (Saparrat and Balatti 2005). Among

peroxidases, which require H2O2 as co-substrate for enzyme catalysis, there are

according to Martı́nez et al. (2005) and Ruiz-Dueñas and Martı́nez (2009)

(i) Lignin peroxidases (LiP, E.C.1.11.1.14) which are able to oxidize phenolic

units as well as directly non-phenolic lignin units (which are up to 90 % of the

polymer) because of its high redox potential.

(ii) Manganese peroxidases (MnP, E.C.1.11.1.13) acting preferentially on phenolic

units, but also on non-phenolic units in the presence of mediators; this enzyme

generates Mn3þ, which acts as a diffusible oxidizer on phenolic or non-

phenolic lignin units via lipid peroxidation reactions.

(iii) Versatile peroxidases (VP, E.C.1.11.1.16), a third type of ligninolytic peroxi-

dase that combines the catalytic properties of LiP, MnP, and plant/microbial

peroxidases oxidizing phenolic compounds; it is also able to oxidize azo dyes

not oxidized by MnP or LiP.

Laccases (p-diphenol: oxygen oxidoreductase; EC 1.10.3.2), which also partici-

pate in other physiology processes in different fungal groups to be or not ligninolytic

ones (Table 7.2), oxidize preferentially lignin phenolic units, similarly to the lignino-

lytic peroxidases, but they also act on non-phenolic units in the presence of mediators

(Saparrat et al. 2008b; Cañas and Camarero 2010). Laccases oxidize aromatic

amines, a wide number of phenolic compounds including chlorophenols, secondary

Table 7.2 (continued)

Fungus Ecological and/or taxonomical status Putative physiological role

Tetraploa aristata Litter-associated anamorph of

Ascomycota
Melanization process

Thelephora terrestris Ectomycorrhizal Hymenomycetes
(Basidiomycota)

Oxidation of phenolics and

pigmentation

Verticillium dahliae Anamorph of Ascomycota Synthesis of 1,8-

dihydroxynaphthalene

melanin
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aliphatic polyalcohols, anthraquinone dyes, and to a certain extent, some PAHs, such

as anthracene, as well as some inorganic ions (like Mn2+), inorganic and organic

metal ion complexes such as ferrocyanide, ferrocenes, and cytochrome c or an

electron transferred directly from an electrode (Saparrat et al. 2008b). These

substrates also are oxidized by peroxidases. However, laccases, unlike peroxidases,

do not require hydrogen peroxide (utilize molecular oxygen as oxidant), raising the

interest of biotech companies. Furthermore, laccases can participate in the production

of active oxygen species and the oxidation of azo and indigo dyes, and other PAHs,

compounds that cannot be oxidized by laccases on their own (Cañas and Camarero

2010). The laccase-substrate couple constitutes the laccase-mediator system (LMS),

which oxidizes compounds by the laccase generated free radicals, suggesting that

LMS might have a more powerful catalytic activity than peroxidases. In this sense,

LMS allows the degradation of xenobiotic compounds and chlorine-free bleaching of

paper pulp (Jurado et al. 2011).

Both laccases and peroxidases catalyze the one-electron oxidation of lignin as

well as other aromatic compounds such as PAHs, thereby generating radicals such

as phenoxy or cationic ones from either phenolic aromatic units or on non-phenolic

units, respectively. These evolve in different nonenzymatic reactions, including

bond cleavage and the reaction with O2 or water and active oxygen species to give

hydroxy- or keto-derivatives, generating a selection of quinones and acids

(Rodrı́guez et al. 2004).

On the other hand, two extracellular oxidases, glyoxal (GLOX, E.C.1.2.3.5) and

aryl-alcohol (AAO, E.C.1.1.3.7) oxidases, have been reported for extracellular

H2O2 production. H2O2 is required by ligninolytic peroxidases, but it can also be

involved in lignocellulose degradation as the precursor of hydroxyl radical (•OH),

the strongest oxidizing agent produced by fungi through the iron-catalyzed

Haber–Weiss reaction (Guillén et al. 2000). On a hypothetical basis, it was previ-

ously proposed that this free radical may initiate the attack on lignin in the initial

stages of wood decay, when the small size of pores in the still-intact cell wall

prevents the penetration of ligninolytic enzymes (Gómez-Toribio et al. 2009).

Then, lignin degradation proceeds by oxidative attack of the enzymes described

above. Guillén et al. (2000) described the synergistic action of laccase and AAO in
•OH production. AAO oxidizes aromatic and aliphatic polyunsaturated primary

alcohols and is involved, together with intracellular dehydrogenases (such as aryl-

alcohol dehydrogenases), in extracellular H2O2 production through a redox cycle.

Oxygen activation in redox cycling reactions involving quinones (either from

breakdown of lignin or synthesized de novo by fungi), laccases or peroxidases,

and quinone reductases have been also reported for extracellular hydroxyl radical

production (Gómez-Toribio et al. 2009). Furthermore, extracellular reductases such

as cellobiose dehydrogenase (CDH, E.C.1.1.99.18) and cellobiose–quinone oxido-

reductase (CQO, E.C.1.1.5.1), which is a proteolytic product of CDH, may catalyze

the reduction of phenolic products derived from lignin degradation, and thus

avoiding their posterior repolymerizating and acting as a nexus between lignolysis

and cellulolysis (Temp and Eggert 1999). For a deep analysis and discussion of the

catalytic, structural characteristics and other molecular aspects of the ligninolytic
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enzymes as well as their degradation mechanism, it is recommend to consult other

reviews (Martı́nez et al. 2005; Cañas and Camarero 2010; Jurado et al. 2011).

7.3.3 Ligninolytic Fungi as Potential Tools
in Bioremediation Strategies

WRF are promising bioremediation agents because of their ability to degrade or

transform PAHs and a large variety of other aromatic pollutants (such as the BTEX

group, an acronym that stands for benzene, toluene, ethylbenzene, and xylenes;

chlorophenols; polychlorinated biphenyls; and dyes with different chromophore

groups) that can reach soil and water, thus reducing their toxicity. They can use

lignocellulosic substrates for growth, making them suitable for inoculation into

contaminated matrices. In addition, WRF can exert a beneficial effect on the

autochthonous microbiota, improving porosity and water-holding capacity of soil

and thus making the total degradation of recalcitrant pollutants easier. The biotrans-

formation of pollutants by WRF involves several types of processes initiated either

by ligninolytic enzymes or mycelial-bound redox systems, which generate free

radicals, which can then either undergo another enzyme-catalyzed oxidation, or

other nonenzymatic transformations via enzymatic combustion process.

The first studies on pollutant degradation by WRF were carried out with

Phanerochaete chrysosporium, an organism capable of degrading a broad spectrum

of pollutants. As this well-studied fungus often demands specific conditions for

growth and expression of its ligninolytic system, more WRF species have been

screened for their ability to transform and detoxify soil pollutants under different

environmental conditions. In this sense, Pleurotus ostreatus, Trametes villosa, and
Coriolopsis rigida showed themselves to be highly effective at degrading both the

aliphatic and aromatic fractions of crude oil from contaminated soils when com-

pared in a 90-day laboratory experiment using a natural, not-fertilized soil

contaminated with 10 % crude oil (Colombo et al. 1996). Most of the WRF

belonging to phylum Basidiomycota, including several species from Bjerkandera,
Coriolopsis, Phlebia, and Trametes, are able to degrade PAHs and other pollutants,
although their transformation capability greatly depends on environmental

conditions. Thus, the particular conditions leading to detoxification should be

analyzed in each case, paying special attention to nitrogen and carbon contents, as

well as to the supplementation with the enzyme cofactors and inducers, such as

copper for laccase, which can greatly enhance enzyme production (Saparrat et al.

2010; Jurado et al. 2011). Therefore, although the applicability of these fungi seems

very promising, further research is still needed to achieve maximum efficiency in the

removal of pollutants and shift our experimental work from artificially contaminated

soils to contaminated soils present in the environment due to human activities.
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7.3.4 Non-ligninolytic Fungi with Ability for Transforming
PAHs and Other Hazardous Organic Compounds

Non-ligninolytic fungi (generally known also as micromycetes) conform a fungal

group that is widely distributed in the ecosystems. Taxonomically, non-ligninolytic

fungi belong to phylum Ascomycota, mainly as their anamorph forms, and also to

Zygomycota one. They can grow on a broad spectrum of carbon compounds such as

glucose and other monosaccharides, sucrose, cellulose, starch, proteins, and lipids,

as well as hydrocarbons, including PAHs, which are used as single C source.

Among non-ligninolytic fungi, Aspergillus and Penicillium species, which are the

dominant genera in soils and sediments contaminated with petroleum or PAHs,

show an outstanding ability to degrade HMW PAHs in pure culture (Launen et al.

1995; April et al. 2000; Chaillan et al. 2004; Romero et al. 2010). Penicillium
janthinellum was previously reported for its ability to transform pyrene and benzo

[a]pyrene into phenols, diols, and quinones, a reaction catalyzed by cytochrome

P450 monooxygenases (Launen et al. 1995). Penicillium ochrochloron is also

capable to degrade and use pyrene as sole carbon source (Saraswathy and Hallberg

2005). Romero et al. (2010) reported recently the mineralization of 14C-benzo(a)
pyrene by non-ligninolytic filamentous fungi isolated from industrial polluted

sediments, such as A. flavus and Paecilomyces farinosus, with and without C16 as

co-substrate, though the presence of this latter C-compound enhanced the biomass

production and benzo(a)pyrene uptake as C-source, confirming increasing bio-

degradation of xenobiotics by co-metabolism. All these features make these

non-ligninolytic fungi another promising biological alternative in the course of

detoxification processes for the bioconversion of PAHs. In this sense, non-

ligninolytic fungi have high ecological plasticity and higher competitive abilities

as well as being rather tolerant to stress situations when compared to basidiomyce-

tous fungi (Saparrat and Hammer 2006; Saparrat et al. 2008a). However, their

degradative abilities are more limited and/or slower when compared to those from

ligninolytic fungi. Schmidt et al. (2010) reported the ability of several soil

micromycetes to metabolize PAHs such as phenanthrene, fluoranthene, and pyrene

as single carbon source and Cunninghamella elegans (Zygomycota) was by far the

most efficient degrader. This latter fungal species has been reported broadly by its

ability to oxidize numerous PAHs to phenols by oxidation at Cyt P450 (Cerniglia

1992). Although it is considered that the produced epoxides are hydrolyzed to

transdihydrodiols or to phenols which are subsequently conjugated with sulfate,

glucuronic acid, or glucose (including those from C. elegans such as glucoside-

conjugated phase-two metabolites from phenanthrene, fluoranthene, and pyrene),

the metabolites reported by Schmidt et al. (2010) were mono-, di-, or

trihydroxylated and conjugated only with sulfate. Sulfate-conjugated PAH

metabolites have also been previously reported for Aspergillus niger, A. terreus,
Penicillium glabrum, and Syncephalastrum racemosum (Casillas et al. 1996;

Capotorti et al. 2004; Wunder et al. 1997). Furthermore, the mineralization of
14C-metabolites produced by C. elegans was in all cases extremely slow compared
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to that of the parent 14C-PAHs in soil slurries (Schmidt et al. 2010). High water

solubility, low lipophilicity, and slow mineralization of the metabolites such as

PAH conjugates indicate a potential problem of leaching of fungal PAH

metabolites from polluted soil to the groundwater aquifers. However, micromycetes

(as previously demonstrated for ligninolytic fungi) might also detoxify PAHs such

as pyrene and their metabolites through the immobilization into soil humic

substances (formation of bound residues or humification) as an alternative pathway

for bioremediation of PAH-contaminated soils. The formation of bound residues of

organic pollutants (or humification of xenobiotic compounds) is under discussion as

a complement to complete mineralization (Sack and Fritsche 1997). In this sense,

the covalently binding to PAH metabolites (such as from the transformation of

pyrene and benzo(a)pyrene by Penicillium janthinellum SFU403 and A. flavus and
Paecilomyces farinosus, respectively) with cell molecules forming inextractable

cell-associated products (ICAP) is a theoretically feasible mechanism for the

formation of bound residues by micromycetes (Launen et al. 2000; Romero et al.

2010). However, as far as we know, no data is available about their contribution in

bioremediation of soils polluted with PAHs and about if ICAP are formed by fungi

in situ and remain stable over time in the presence of the soil microbial community,

having this process high potential in bioremediation as well as its fate as parent

compound for humification reactions that occurs in the soil. Therefore, mineraliza-

tion and formation of bound residues of added PAHs might together be considered

as detoxification processes since the tested fungi destroy the pollutant or have

the potential to render it unavailable to soil organisms. However, until stable

immobilization and complete mineralization of PAHs and their metabolites, from

transformation by non-ligninolytic fungi that might be in the soil and in its

groundwaters, are reached, the presence of compounds derived from PAHs with

certain level of toxicity, activity, mutagenicity, and/or carcinogenicity makes the

environmental monitory necessary.

7.4 Fungal Remediation of PAH-Contaminated Soil

Bioremediation is the technological process whereby biological systems are

harnessed to effect the cleanup of environmental pollutants (Head 1998). An

effective bioremediation strategy depends on the ability of microorganism to

degrade the target compounds towards mineralization or to a very low level with

production of nontoxic metabolites (Silva et al. 2009).

Effective biodegradation of PAH in soil is a function of their physical and

chemical properties, concentration, rate of diffusion and bioavailability. It also

depends on soil type, moisture content, availability of carbon substrates, nitrogen

or other nutrients, aeration conditions, pH, and temperature, as well as the number

and types of PAH-degrading microorganisms present.

Fungal remediation, or mycoremediation, which means fungal treatment or

fungal-based remediation, is a promising technique for the cleanup of PAH-
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contaminated soil (Wu et al. 2008a). Generally fungal rates of PAHs degradation

are slow and inefficient compared to bacteria. However, fungi are capable of

degrading HMW PAHs by different enzyme systems (see Sect. 7.3). This, together

with their physiological versatility, their ability to grow in environments with low

nutrient concentrations, low humidity and acidic pH, their filamentous way of

growing that allows an efficient colonization and exploration of contaminated

soil, and the fact that the fungal mycelia constitute a large fraction of the soil

biomass, provide to the fungi a significant ecological role, contributing consider-

ably to the transformation of PAHs in soil.

7.4.1 Role of Fungi in Bioremediation Process
of PAH-Contaminated Soil

Microbial degradation represents the major route responsible for the ecological

recovery of PAH-contaminated sites; however, the success of bioremediation projects

has been limited by the failure to remove HMW PAHs (Boonchan et al. 2000).

The initial attack on HMW PAHs in soil by fungal exoenzymes appears to be

more likely than attack by bacterial intracellular enzymes. Fungal exoenzymes have

the advantage that they may diffuse to the highly immobile HMW PAHs. This is in

contrast to bacterial PAH dioxygenases, which are generally cell bound because

they require NADH as a cofactor (Johnsen et al. 2005). A positive correlation has

been found between PAH degradation and ligninolytic enzyme activity in soil

(Novotný et al. 2004). Also, the transformation of PAHs by non-ligninolytic

fungi may mobilize PAHs for further degradation by bacteria.

Fungi usually do not mediate complete mineralization of PAH, producing

metabolites with higher water solubility and enhanced chemical reactivity. In soil

these metabolites are subject to further metabolic attack by other soil microorganisms,

extracellular enzymes, chemical reactions, or sorption to soil surfaces.

Since fungal remediation is a promising strategy for bioremediation of PAH-

contaminated soil, different innovative fungal technologies for improving the rate

and extension of PAH biodegradation are being developed.

7.4.2 Fungal Technology in PAH-Contaminated
Soil Remediation

7.4.2.1 Bioaugmentation

Bioaugmentation can be defined as the technique for improving the bioremoval

capacity of a contaminated matrix by introducing specific competent microbial

strains or communities.
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Within mycoremediation technologies, most bioaugmentation studies have been

carried out using filamentous fungi, in particular WRF (Bogan et al. 1999; in der

Wiesche et al. 2003; Leonardi et al. 2008; Acevedo et al. 2011). The interest in

WRF is due to their ability to synthesize relatively unspecific enzymes that can

degrade HMW PAH, and their hyphal growth enables them to penetrate and to

diffuse into soil, thus reaching pollutants and acting, at the same time, as effective

dispersion vectors of indigenous pollutant-degrading bacteria (Leonardi et al. 2008).

Also, soils contaminated with PAH often contain high levels of other pollutants

such as heavy metals, which are often derived from the same sources as PAH

(Maliszewska-Kordybach and Smreczak 2003). In such a difficult case, the use of

WRF may give some advantages over bacterial bioaugmentation. Fungi display a

high ability to immobilize toxic metals by insoluble metal oxalate formation,

biosorption, or chelation onto melanin-like polymers (D’Annibale et al. 2005).

However, the potential colonization of WRF in soil is reported to be limited, and

PAHs depletion by WRF may be hindered by limiting environmental factors

(Wu et al. 2008a).

Autochthonous bioaugmentation (ABA) is defined as a bioaugmentation

technology that uses microorganisms indigenous to the site (soil, sand, and

water) to be decontaminated (Ueno et al. 2007). The use of filamentous fungi

isolated from PAH-contaminated soil presents the advantage that they are

adapted not only to the presence of contaminants but also to the environmental

conditions of the site.

Several authors have reported that indigenous filamentous non-white-rot fungi

isolated from PAH-contaminated soil transform PAHs significantly (Potin et al.

2004; D’Annibale et al. 2006), suggesting that known PAH-degrading fungi are

relatively less compared to the highly diverse fungi kingdom and there is a huge

fungi pool in terrestrial ecosystem from which potent PAH-degrading strains

remain to be explored (Wu et al. 2008a). D’Annibale et al. (2006) showed that

the isolation of fungi from a contaminated soil (Allescheriella sp., Stachybotrys sp.,
and Phlebia sp.) followed by their reinoculation at the same site managed a

significant removal of PAHs and the detoxification of the soil.

For use in bioaugmentation, the PAH degrader inoculum should ideally miner-

alize the PAHs, minimizing the production and accumulation of toxic metabolites.

Fungi usually do not mediate complete mineralization of pollutants, so sequential

fungal–bacterial degradation is necessary for soil detoxification (Wu et al. 2008a).

Therefore, the effect of indigenous soil bacteria on fungal bioaugmentation effi-

ciency has been widely studied (Kotterman et al. 1998; Wu et al. 2008a; Borràs

et al. 2010). Borràs et al. (2010) found that the degradation capacity of T. versicolor
was negatively affected in the presence of bacteria, and only weak fungal/bacterial

synergistic effects were observed in the case of removal of HMW PAHs. In the

same way, the results found by Kotterman et al. (1998) and Schmidt et al. (2010)

suggest that not all of the fungus-oxidized metabolites were easily mineralized by

indigenous microflora.
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7.4.2.2 Enzymatic Treatment

Enzymatic treatment of PAH-contaminated soil is an alternative to conventional

bioremediation (Wu et al. 2008b). The use of enzymes in the degradation of organic

compounds presents several advantages compared to the use of microorganisms

such as their high reaction activity towards recalcitrant pollutants, their capacity to

act in the presence of many xenobiotic substances under a wide range of environ-

mental conditions, and their low sensitivity or susceptibility to the presence of

predators and inhibitors of microbial metabolism (Gianfreda and Rao 2004). More-

over, enzymes are able to reach substrates in pores with small dimensions, roughly

100 times smaller than bacteria (Quiquampoix et al. 2002). However, the number of

published reports dealing with enzymatic remediation of soil is limited, and the cost

of these biocatalysts is still too high to implement commercially attractive enzyme-

based treatments in field applications (Torres et al. 2003).

Wu et al. (2008b) evaluated the potential of enzymatic remediation by free laccase

of a long term PAH-contaminated soil and its effect on soil microbial biomass. They

found that the treatment of soil by free laccase transformed several PAHs efficiently,

decreased the genotoxicity, and showed a low impact on soil microbial community,

suggesting that laccase can be an efficient and safe remedial agent.

Also, Acevedo et al. (2010) studied the performance of free and nanoclay-

immobilized MnP from Anthracophyllum discolor in the PAHs degradation in

sterile and nonsterile soil. The immobilized MnP enhanced the enzymatic transfor-

mation of anthracene of soil after 24 h, and the anthraquinone (more soluble and

less toxic than the anthracene) was identified as the major by-product.

However, more studies must be performed to show that enzymatic in situ

bioremediation may be an effective and desirable alternative to current remediation

strategies (Acevedo et al. 2010).

7.5 Conclusions and Perspectives

Degradation of PAHs by fungi has been widely studied. As result, a remarkable

understanding of catabolic pathways and the enzymes involved in the PAHs

degradation have been obtained. However, the development of mycoremediation

technology for PAH-contaminated soil treatment is still now a fruitful area for

future researches. The stability and persistence of the inoculated fungi and/or their

enzymes in the environment, their synergistic or competitive relationship with the

indigenous soil microflora, and the production and accumulation of more soluble

and mobile by-products are some of the subjects that require further investigation.
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Guillén F, Gómez-Toribio V, Martı́nez MJ, Martı́nez AT (2000) Production of hydroxyl radical by

the synergistic action of fungal laccase and aryl alcohol oxidase. Arch Biochem Biophys

383:142–147

Habe H, Omori T (2003) Genetic of polycyclic aromatic hydrocarbon metabolism in diverse

aerobic bacteria. Biosci Biotechnol Biochem 67:225–243

Haritash AK, Kaushik CP (2009) Biodegradation aspects of polycyclic aromatic hydrocarbons

(PAHs): a review. J Hazard Mater 169:1–15

Head IM (1998) Bioremediation: towards a credible technology. Microbiology 144:599–608

in der Wiesche C, Martens R, Zadrazil F (2003) The effect of interaction between white-root fungi

and indigenous microorganisms on degradation of polycyclic aromatic hydrocarbons in soil.

Water Air Soil Pollut 3:73–79

Johnsen AR, Wick LY, Harms H (2005) Principles of microbiol PAH-degradation in soil. Environ

Pollut 133:71–84

Jurado M, Martinez AT, Martinez MJ, Saparrat MCN (2011) Wastes from agriculture, forestry and

food processing. Application of white-rot fungi in transformation, detoxification, or revalori-

zation of agriculture wastes: role of laccase in the processes. In: Murray Moo-Young (ed.),

Comprehensive Biotechnology, Second Edition, Elsevier, pp 595–603

Kirk TK, Farrell RL (1987) Enzymatic ‘combustion’: the microbial degradation of lignin. Annu

Rev Microbiol 41:465–505

Kotterman MJJ, Vis EH, Field JA (1998) Successive mineralization and detoxification of benzo[a]

pyrene by the white rot fungus Bjerkandera sp strain BOS55 and indigenous microflora. Appl

Environ Microbiol 64:2853–2858

Launen L, Pinto LJ, Wiebe C, Kiehlmann E, Moore MM (1995) The oxidation of pyrene and

benzo[a]pyrene by non-basidiomycete soil fungi. Can J Microbiol 41:477–488

Launen LA, Pinto LJ, Percival PW, Lam SFS, Moore MM (2000) Pyrene is metabolized to bound

residues by Penicillium janthinellum SFU403. Biodegradation 11:305–312

Leonardi V, Giubilei MA, Federici E, Spaccapelo R, Šašek V, Novotný C, Petruccioli M,
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Chapter 8

Sequential Soil Vapor Extraction and

Bioremediation Processes Applied to

BTEX-Contaminated Soils

António Alves Soares, José Tomás Albergaria, Valentina F. Domingues,

Paolo De Marco, and Cristina Delerue-Matos

8.1 Soil Contamination

Natural soils are highly diverse and heterogeneous media. They differ owing to

their inorganic and organic composition. Several properties depend on climatic

factors (precipitation and temperature) and on the richness of plant cover, which in

turn is itself highly dependent on climate and soil characteristics (Chernyanskii and

Gennadiyev 2005). Soils comprise a great quantity and variety of life forms:

metazoans (i.e., multicellular animals, like countless forms of worms and

arthropods), plant roots, and a plethora of types of microorganisms. Each of these

living beings plays its part in the cycling of nutrients that keeps a soil healthy and

fertile.

On average, half of a soil’s volume is pore space, which is occupied by water and

gases in varying proportions: layers below the water table level are said saturated as

water fills up pores thus excluding gases. In the layers above the water table (vadose

zone), more or less of the pore space is occupied by gases, with variable

concentrations of O2 and CO2 depending on the greater or lesser rates of exchange

with the atmosphere (Farrell and Elliott 2007).

The organic fraction, both dead and living, characterizes fertile soils: removing

it leaves behind just sterile sand and dust. The source of organic matter in soil is, in

most cases, material produced by plants aboveground. This material fuels almost
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entirely the nutrient cycles in soil, representing food for herbivores, detritivores,

and symbiotic, pathogenic, or saprophytic microbes, all of which in turn become

nourishment for secondary consumers. A substantial part of the organic matter

supply into soils comes in the form of plant root exudates: it was estimated that up

to 40 % of photosynthates produced by a plant may, in some cases, be excreted at

the level of the rhizosphere (Bertin et al. 2003). This organic carbon input is quite

important: physicochemical and nutritional conditions in the proximity of roots are

dramatically different, and microorganisms tend to be much more abundant there

than in the rest of soil: this is called “the rhizosphere effect” (Gregory 2006). So, in

essence, in soil too, like in any other compartment in the biosphere, sunlight is the

ultimate source of energy that makes cycles “go round.”

Soil performs manifold functions such as the support for terrestrial vegetation;

storage, internal cycling, and processing of nutrients (like nitrogen and phospho-

rous); providing habitat for resident and transient soil macrofauna; retention of

water; supporting plant growth; regulation of hydrological flows and atmospheric

chemical composition; and, from a cultural point of view, providing a platform for

recreational activities and opportunities for noncommercial activities (Morvan et al.

2008). This demonstrates the extreme importance that soils, and its quality, have in

all societies. However, these same societies are the main culprits for the contami-

nation and the deterioration of the quality of soils, because of the multiple human

activities that introduce in soil a wide variety and large amounts of contaminants.

This can occur intentionally (e.g., in the case of agriculture with pesticides and

fertilizers) or accidentally due to spills, inadequate handling, or leaks.

Contaminants that are released into the air too can be transferred and deposited

onto soil by precipitation (Shaylor et al. 2009).

The identification and remediation of contaminated soils is done all over the

world and it is well advanced in some regions: in the United States of America,

since 1982, of the 3,240 priority contaminated sites identified, 1,620 of those were

already remediated (USEPA 2010); in the South American continent, Uruguay

identified 1,006 potentially contaminated sites based on the activities that operate

at those sites. The metallurgic and chemical industries are responsible for two thirds

of the potential contaminated sites, 41 % and 24 %, respectively (DINAMA 2005).

In Europe, 1.8 million potentially contaminated sites have been identified, of which

246,000 were estimated to be really contaminated. Indeed, 81,000 remediation

actions have been performed at some of those sites (EEA 2010). The contaminants

that can be found at each location depend closely on the activities that operate at the

site, to relate human activities. Aiming at site remediation, it is extremely important

to know what contaminants are present in the soil, because this will determine

which remediation technology is more appropriate.

The most common chemicals found at contaminated sites are petroleum

hydrocarbons (Siddique et al. 2006), solvents, pesticides, and heavy metals

(Sorensen and Holmstrup 2005). The occurrence of pollution is correlated with

the degree of industrialization and intensity of chemical usage.

A broad range of industrial and commercial activities has impacts on soil

through the release of a broad variety of chemicals: heavy metal-loaded fluids,

182 A.A. Soares et al.



mineral oil, polycyclic aromatic hydrocarbons (PAH), chlorinated hydrocarbons,

and aromatic hydrocarbons. The relative contribution of each class may vary

greatly from country to country. For example, in terms of occurrences of the

specific contaminant at investigated sites, mineral oil is the most frequent pollutant

in the Czech Republic, Italy (more than 45 %), and Latvia (25 %). Heavy metals are

the pollutants most often found in Sweden (40 %) and Belgium-Flanders (35 %).

Chlorinated hydrocarbons are the most frequent contaminants in Austria (25 %),

while cyanide is the most widespread pollutant in the Netherlands (about 20 %)

(European Agency: EIONET data flow progress report 2010).

National reports indicate that heavy metals and mineral oil are the most frequent

soil contaminants at investigated sites in Europe, while mineral oil and chlorinated

hydrocarbons are the most frequent contaminants found in groundwater (EEA

2010).

The risks to human health and the environment vary considerably with each

specific contaminant, the specific conditions at the site, and the level of exposure of

the public. In fact, the risks are determined by the physicochemical properties of the

contaminants such as solubility, mobility, volatility, sorption capacity, and persis-

tence, as well as the pathways from source to potential receivers (e.g., the existence

of an impermeable layer and the permeability and thickness of the unsaturated

zone) and the frequency and length of exposure. Therefore, the assessment of the

impacts of contamination has to be assessed on a case-by-case basis (EEA 2010).

The protection of groundwater resources and the exposure of humans via

drinking water from ground sources are reported by far as the most important

motives for the application of risk-reduction measures. The protection of the soil

per se deserves a relatively low importance as an objective (this is only reported in

Hungary in 10 % of all remediated sites) (European Agency: EIONET data flow

progress report 2010). This may be due to the lack of specific regulations covering

the soil medium but also to the wider dispersion and farther-reaching effects of

contaminants in groundwater compared to soil. Relatively low priority, with a few

exceptions, is assigned to the remediation of sites where exposure to the

contaminants arises from surface water, soil gases, and the food chain. Only in

very few cases are remediation activities reported to be triggered by the protection

of ecosystems, e.g., in Croatia and the Czech Republic, and the loss of biodiversity

(Croatia, Malta) (European Agency: EIONET data flow progress report 2010).

The main contaminants identified in these cases include heavy metals, the BTEX

group of hydrocarbons, PAHs, chlorinated hydrocarbons, and mineral oil, as well as

inorganic compounds such as asbestos.

BTEX is an acronym for benzene, toluene, ethylbenzene, and the three xylene

isomers. This group of volatile organic compounds (VOCs) contaminates the soil

through spills involving petroleum products such as gasoline, diesel fuel,

lubricating oil, and heating oil from leaking oil tanks. Benzene is used in the

production of synthetic materials such as plastics, synthetic rubber, insecticides,

and paints. Toluene is used as paint solvent, resins, and oils. Ethylbenzene is found

in products like paints, plastics, and pesticides. Finally, xylenes are used in leather

industries or as a printing solvent (Salanitro et al. 1997). These compounds will
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tend to be found as vapors in soil atmosphere as well as dissolved in the water phase

because of their relatively high water solubility and low Kow (octanol–water

partition coefficient) values. These compounds are not retained very efficiently by

soil particles or constituents because of their relative hydrophilic nature and can be

transported several kilometers downstream of the source (Wolfe et al. 1997). Due to

their water solubility (especially in the case of benzene), BTEX always migrate

from soil to groundwater systems and contaminate drinking water supplies often far

from their source. BTEX compounds have raised increasing concern; benzene in

particular is a potent mutagen that can lead to hematological effects, which may

ultimately lead to aplastic anemia and development of acute myelogenous leukemia

(ATSDR 2004). Acute exposures to high-level BTEX have been associated with

skin and sensory irritation, impact on the respiratory system, and central nervous

system depression. More prolonged exposure to BTEX affects the liver, kidneys,

and the blood systems (WHO 2000). According to USEPA, from 1982 to 2005,

BTEX compounds were among the contaminants more often addressed at

contaminated sites, 25 %, second only to halogenate volatile organic compounds,

found in 42 % of the contaminated sites (USEPA 2010). For these reasons,

remediation of BTEX-contaminated soils is paramount to avoid public health

hazards. According to the same report, soil vapor extraction, incineration, and

bioremediation were the most used technologies to remediate soils contaminated

with BTEX.

8.2 Physicochemical Remediation Technologies

The remediation of contaminated soils can be performed through the utilization of

technologies that involve physicochemical, thermal, or biological processes. The

physicochemical processes employ physical, chemical, and/or electrical properties

of pollutants to destroy, convert, separate, or even just immobilize them in the soil

structure. Thermal treatments use heat to increase volatility, to burn, to decompose,

to destroy, or to melt the contaminants. These processes are usually expensive due to

the cost of energy, equipment, and maintenance. Finally, biological remediation

uses microorganisms or plants to degrade contaminants to innocuous or less toxic

compounds. These latter processes are typically inexpensive but slow and are

sensitive to the presence of toxins and high concentrations of the contaminants.

The choice of themost appropriate remediation technology to be applied to a specific

case depends on soil type, environmental parameters, and contaminant properties. In

this chapter, the most common remediation technologies will be described,

emphasizing those that use biological processes, namely, those employing fungi.

Among the physicochemical remediation technologies, soil vapor extraction

(SVE) and solidification/stabilization (S/S) can be highlighted because they are

two of the most used technologies (USEPA 2010).

SVE, also known as soil venting or vacuum extraction, is the most used in situ

remediation technology, and it is applicable to soils contaminated with volatile and
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semi-volatile organic compounds located in the unsaturated zone of the soil. This

technology induces airflow in the subsurface of the soil through an applied vacuum,

creating and enhancing the volatilization of contaminants (Suthersan 1996). SVE

uses the volatility of the contaminants to allow mass transfer from the pollutant

adsorbed, dissolved, and/or located in free phases in the soil to the vapor phase, which

is then transported by the airstream to the exterior of the soil where it is properly

treated (Fischer et al. 1996). SVE is efficient when the soils to be treated have high

porosity (allowing the airflow to easily permeate through all the soil matrix and

extract the contaminant), low contents of water and organic matter (Alvim-Ferraz

et al. 2006) (if the contaminant is partitioned mostly in the gas phase of the soil, it will

be more easily extracted), and the contaminant has a vapor pressure above 1.0 mmHg

(it will volatilize easily), low water solubility (the contaminant will dissolve less in

the aqueous phase of the soil and transfer more easily to the gas phase), and a low soil

adsorption coefficient (adsorption to the organic matter of the soil too hinders the

mass transfer to the gas phase) (Albergaria et al. 2006).

S/S is an ex situ or in situ technology that uses physical and chemical means to

reduce the mobility of contaminants in the soil, mostly metals. Solidification refers

to processes that encapsulate the soil aiming at the formation of a solid material and

the reduction of the migration of the contaminant. This process is accomplished

through chemical reactions between the contaminated soil and binding reagents or

by mechanical processes (Jeffrey et al. 1995). Cement, proprietary additives, and

phosphate are the most common binders (Sparrevik et al. 2009). When this tech-

nique is applied to fine soil particles, it is commonly designated as microencapsula-

tion, whereas, when applied to large blocks of soil, it is designated as

macroencapsulation. Stabilization involves chemical reactions with soil that immo-

bilize the contaminants and reduce their solubility and, consequently, their

leachability. Ex situ S/S operations require excavation of the contaminated soil,

and the material obtained after the treatment must be disposed of at appropriate

sites. In situ S/S uses auger/caisson systems and injector head systems to add

binders to the contaminated soil without any need of excavation (Wiles 1987).

The remediation of contaminated soils by thermal treatment uses heat to destroy

or extract, by volatilization and other mechanisms, the contaminants in soil. This

technology is commonly used with soils contaminated with inorganic pollutants,

radionuclides, explosives, and metals (Hinchee and Smith 1992). As for the other

treatments, it can be performed in situ or ex situ. In situ treatments commonly

include conductive heating, electrical resistive heating, hot air injection, hot water

injection, steam-enhanced extraction, and radio frequency heating. The volatiliza-

tion of the contaminants turns them more mobile, which allows them to be extracted

through extraction wells to the exterior of the soil where they are properly treated in

specific units (Hinchee and Smith 1992).

Within in situ technologies, the following can be pointed out:

– Electric resistance heating—Utilization of arrays of electrodes located around a

central neutral electrode to create a concentrated flow of current toward the

central point. The resistance to current flow in soil generates heat that increases
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soil temperature above 100 �C, leading to the volatilization of contaminants that

are recovered via vacuum extraction and processed at the surface (Beyke and

Smith 2009; Mori et al. 2005).

– Injection of hot air—In deep subsurface situations, the hot air is injected at high

pressure through wells or soil fractures, while in surface soils, hot air is usually

injected in combination with soil mixing or tilling (Park et al. 2005; Schmidt

et al. 2002).

– Radio frequency heating—Uses electromagnetic energy to increase soil temper-

ature (over 300 �C) and enhance SVE using rows of vertical electrodes embed-

ded in soil. The heated soil is bounded by two rows of ground electrodes with

energy applied to a third row midway between the ground rows (Daniel and

Pearce 1994; Roland et al. 2007).

– Vitrification—Uses electric current to melt the contaminated soil at

temperatures between 1,600 and 2,000 �C. After cooling, the obtained soil is

chemically stable, leach-resistant, glassy, and crystalline material similar to

obsidian or basalt rock. Organic contaminants are destroyed during the process

while radionuclides and heavy metals will be retained within the vitrified

product (USEPA 2006; Staley 1995).

– Low-temperature thermal desorption—It is one of the most used ex situ thermal

technologies for the remediation of soils contaminated with organic compounds.

The equipment used to perform this treatment, denominated thermal desorbers,

are designed to heat soils to temperatures sufficiently high that the contaminants

volatilize and desorb from the soil. The main objective of this equipments is the

desorption of the contaminants but, depending on the contaminants that are

present in soil and the temperature of operation, partial or complete decomposi-

tion of the contaminants can occur. To prevent atmospheric contamination, the

vaporized emissions from the soil pass through treatment units before being

released to the atmosphere (USEPA 1994; Abramovitch et al. 2003).

8.3 Biological Remediation

8.3.1 Soil Microbiology

Biological processes are mainly based on the utilization of soil microorganisms to

degrade or detoxify pollutants. Decaying organic matter, and especially the remains

of the slow-degrading polymer lignin, also called humus, are of the utmost impor-

tance in conferring to soil mechanical structure and some of their capacity to retain

water and dissolved mineral ions (Piccolo 2002; Rasse et al. 2006) but also in

allowing, directly or indirectly, countless forms of microbial life to thrive. The

microbes most readily associated to soil are obviously bacteria and fungi. However,

microalgae and photosynthetic bacteria (cyanobacteria) can be found in the top

illuminated layers (Metting 1981; Whitton 2000); Archaea, formerly called

186 A.A. Soares et al.



Archaebacteria, are also widely present in soils (Kent and Triplett 2002; Leininger

et al. 2006); and unicellular predators, protozoans, can be found in all cases

(Bonkowski 2004). It is worth observing that this sketchy list puts together struc-

turally very different microorganisms: on the one hand Archaea and bacteria, with

simple cells devoid of nucleus or internal compartments (prokaryotes), and on the

other fungi, unicellular algae, and protozoans, which exhibit much more complex

eukaryotic cells.

From the physiological point of view, microbes in soil can be divided into two

main groups: autotrophs (organisms utilizing CO2 as source of carbon) and

heterotrophs (organisms using directly environmental organic matter). Within the

former group, microalgae and cyanobacteria are active exclusively in the top layers

where sunlight, their energy source, is available. Heterotrophs on the other hand

take advantage of organic matter as source of both energy and carbon. Many soil

bacteria fall into this group as do all fungi. Another important physiological

distinction is between aerobic and anaerobic microbes. Strictly aerobic organisms

depend on the presence of O2 for their functioning because their respiratory

machinery requires molecular oxygen as the final acceptor of electrons. Within

anaerobic organisms, we can distinguish respiratory ones, which use other

compounds as final electron acceptors of respiration (such as oxidized species of

N, S, Mn, Mg, Fe, As, Se, or other inorganic and sometimes organic compounds),

from fermentative ones, which manage to obtain energy from the interconversion of

organic molecules. Nevertheless, this description is but a simplification of reality,

since cases of intermediate and facultative alternative behavior in many species

make the whole picture much more intricate (Andresen 1992; Vallini et al. 1997;

Anandham et al. 2009).

Special consideration has to be given to an alternative lifestyle that many soil

microorganisms entertain: symbiosis. Many soil bacteria and fungi live associated

to plant roots exchanging services (like nutrient extraction or nitrogen fixation) for a

constant supply of carbon source produced by photosynthesis aboveground

(Franche et al. 2009; Dodd 2000). Many of such associations are extremely relevant

to the survival of wild plants as well as to agriculture: it is renowned how important

nodulating diazotrophs (rhizobia, Frankia) are to their hosts, and the notion that

most known plants are mycorrhizal, harboring symbiotic fungi at the root level, is

commonplace nowadays (Brundrett 2009).

Estimates produced in the last two decades stating that less than 1 % of natural

microbial species had been cultivated or were by any means culturable (Amann

et al. 1995) may be disproportionate. Nonetheless, data obtained in the past two

decades by molecular biological techniques clearly show that in any environment,

and in soils in particular, a huge untapped microbial biodiversity is present on

which we still have scant knowledge (Da Rocha et al. 2009). In addition,

microorganisms that have been cultivated and studied in detail will probably reflect

that minority of wild microbes that adapt easily to artificial lab conditions, which

means they may in fact correspond to a less competitive fraction in their real natural

environment. Possibly an even bigger flaw in our understanding of the soil micro-

flora derives from the scientific practice of simplifying systems for analysis, in this
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case isolating single species from the rest of the community: this obviously yields

always a very partial view of a microorganism’s actual lifestyle in the wild, where it

is embedded in a complex physical medium and surrounded by myriads of cells

belonging to scores of different species. Microbiologists have tried to overcome

these problems by employing ever more sophisticated molecular tools, which

circumvent the biases introduced by in vitro cultivation (Shannon et al. 2002;

Tringe et al. 2005), and to study organisms in situ, within their complex natural

settings (Yarwood et al. 2002; Mummey et al. 2006; Eickhorst and Tippkötter

2008). Nevertheless, we are still very far from grasping soil microbial ecology in all

its complexity.

Soil particles in situ tend to form aggregates, technically called peds, held

together by water surface tension and sticky organic matter (Adl 2008). Pores

between and within peds may be filled with gases and/or water: microniches with

extremely dissimilar conditions with respect to oxygen tension, humidity, pH,

availability of nutrients, possible exposure to xenobiotics, proximity with a plant

root or with antibiotic-producing organisms are created micrometers away from

each other (Mummey et al. 2006; Becker et al. 2006; Or et al. 2007). Each

microenvironment will allow just the microbes best adapted to the specific local

conditions to thrive, thus fostering a huge variety of different strains and species.

8.3.2 Biological Technologies

In general terms, bioremediation is the elimination or immobilization or inactiva-

tion of contaminants from a polluted environment operated by biological action. In

the light of this definition, it is clear that, for bioremediation to proceed successfully

and sufficiently rapidly, two fundamental types of factors need to be available: first,

adequate organisms that will be able to withstand the existing levels of pollution

and transform it into nontoxic compounds—this is technically known as the genetic

or functional potential (Zehr and Capone 1996; Martin-Laurent et al. 2004); second,

physicochemical parameters that will allow these microorganisms to operate. These

may include, depending on the particular process, presence or lack of O2, presence

of alternative electron acceptors (e.g., NO3
� or SO4

2�), presence of inorganic and/
or organic nutrients, adequate humidity levels, pH, and temperature (Holden and

Firestone 1997; Soares et al. 2010). When all these features are already present at

the site, bioremediation will proceed spontaneously—in this case, we speak of

natural or passive or intrinsic bioremediation (EPA, OSWER Directive 9200.4-

17P 1999).

The utilization of biological processes to remediate contaminated soils is

increasing due to its efficiency and low costs associated. There are several types

of biological remediation technologies such as natural attenuation, bioventing, land

farming, biopiles, phytotechnologies, and enhanced bioremediation.

The term natural attenuation refers to the reliance on natural processes to

achieve site-specific remediation objectives through physical, chemical, or
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biological processes that, under favorable conditions, occur without any human

intervention, and that reduce the mass, toxicity, or mobility of contaminants in soil.

These processes can include phenomena such as biodegradation, dispersion, dilu-

tion, sorption, volatilization, chemical or biological stabilization, transformation, or

destruction of contaminants (Mulligan and Yong 2004). Biological degradation

(aerobic or anaerobic) of contaminants is one of the most important components of

natural attenuation and is commonly active in soils contaminated with petroleum

hydrocarbons (Kao and Prosser 2000) or chlorinated solvents (Davis et al. 2002).

However, conditions in situ will be optimal for attenuation just rarely: human

intervention to adjust one or more of the parameters in order to allow or accelerate

bioremediation is technically referred to as biostimulation or enhanced bioremedi-

ation. When physicochemical parameters are not optimal, they can be improved by

aeration (increasing oxygenation), or sealing off with liners (inducing anaerobic

conditions), or amendment with inorganic or organic nutrients, water, acids, or

bases (Mulligan and Yong 2004).

If on the other hand the lacking factor is genetic potential, the problem can be solved

by bioaugmentation—the addition of selected microorganisms or mixes of different

species. Sometimes bioaugmentation is performed using undifferentiated microbe-rich

matter (activated sludge, manure, etc.) (Siméon et al. 2008; Ros et al. 2010) or

indirectly, by augmenting the local microflora through the addition of copious amounts

of nutrients (Boopathy et al. 1994; Östberg et al. 2006). In some special cases of mixed

inorganic/organic contamination (Roane et al. 2001; Fernandes et al. 2009), selected

microbes of two specific types have been employed (dual bioaugmentation) so that one

strain will somehow detoxify inhibitory heavy metal concentrations permitting to the

other strain to degrade the organic pollutants present.

From the description of the rhizosphere effect and of symbioses provided above,

an obvious consequence follows: soils with a full plant cover will be rich in active

roots, and this will be accompanied by the presence of a thriving microbial

community. In fact, plant cover and land management hugely affect soil microflora

(Yao et al. 2000; Larkin 2003). This fact is exploited in the technique called

rhizoremediation, whereby polluted soils are actively colonized with suitable plants

which will lead to augmentation of the microflora and thus to an enhancement of

bioremediation (Gerhardt et al. 2009).

Bioventing is an in situ remediation technology that aims at stimulating

microorganisms of the unsaturated zone of soil to biodegrade organic pollutants by

enhancing their metabolism by the introduction of air into soil and, in most cases, the

addition of nutrients. Bioventing can be, in some cases, similar to SVE, but, while in

SVE the main goal is the removal of contaminants primarily through volatilization, in

bioventing systems, the objective is to promote in situ biodegradation of pollutants

and minimize volatilization, through the utilization of lower airflow rates compared

with SVE (Jørgensen 2007). Bioventing has proven to be extremely efficient in the

remediation of soils contaminated with petroleum products, namely, gasoline, jet

fuels, kerosene or diesel fuel (Van Eyk 1997), and benzene (Soares et al. 2010). This

remediation technology is often used in soils contaminated with pollutants with vapor

pressures lower than 0.5 mmHg (USEPA 1994).
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Land farming and biopiles are ex situ remediation technologies that are used to

reduce concentrations of pollutants (e.g., petroleum constituents) in excavated soils

through the use of biodegradation enhanced by the addition of air, moisture, and

nutrients. While soils treated by land farming are aerated by tilling or plowing,

biopiles are aerated forcing air to move through the soil by injection or extraction

through slotted or perforated piping placed throughout the pile (USEPA 1994;

Lin et al. 2010).

Phytotechnologies use plants to extract, degrade, contain, or immobilize

contaminants in soil when the contamination is shallow and in low or moderate

levels, due to the fact that high levels of contaminants may be toxic to plants and

inhibit their growth. These technologies are used to treat a wide range of

contaminants, including metals, volatile organic compounds, PAHs, petroleum

hydrocarbons, radionuclides, and explosives through several mechanisms such as

phytoextraction, rhizodegradation, phytodegradation, and phytovolatilization

(Kamath et al. 2004; Prasad et al. 2010). Phytoextraction uses the uptake of

contaminants by the plant roots, with subsequent accumulation in plant tissue,

which have to be harvested and properly treated. Rhizodegradation is the process

whereby degradation occurs in the root zone. Phytodegradation, as phytoextraction,

involves the uptake of contaminants but, in this case, they are degraded through

metabolic processes within the plant. Phytovolatilization is the uptake of

contaminants into the plant and their subsequent transpiration to the atmosphere.

It is mainly used to remediate contaminated groundwater, but can also be applied to

soluble soil contaminants (USEPA 2006).

8.4 Bioremediation by Fungi

Several authors also state that biodegradation is usually driven by a consortium of

different species of microorganisms, including algae, bacteria, protozoan, and

fungus (Mazzeo et al. 2010; Racke Kenneth 1990). Bacteria and fungi exhibit

different abilities to metabolize hydrocarbons. Both yeasts (nonfilamentous fungi)

and bacteria show decreasing abilities to metabolize alkanes with increasing chain

length. Filamentous fungi instead do not exhibit preferential degradation for a

particular chain length. Similar patterns of hydrocarbon catabolism are known in

bacteria and fungi, but there is considerable variability among individual isolates.

The hyphal structure of fungal mycelia and their larger surface area allow better

penetration of the hydrocarbon drops and hydrocarbon-impregnated soil

aggregates, the interior of which may be anoxic. Many species of fungi are xero-

and osmotolerant. Most fungi secrete extracellular enzymes that may assist in the

initial degradation of hydrocarbons. Soil yeast isolates produce alcohols and

aldehydes as a result of oxidation of the hydrocarbons. This may be a potential

candidate for seeding in the biodegradation of oil-polluted terrestrial ecosystems.

It has been proved that soil disruption caused by pollution with hydrocarbons

decreases biodiversity by selecting for microbial species better adapted to survive
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in the changed environment (Hughes et al. 2007). Physicochemical changes due to

this pollution affect soil structure and fertility, and therefore the fauna and flora.

Hydrocarbon-polluted soils become relatively sterile with the death of all but

resistant microbial life forms. Within aromatic hydrocarbons, BTEX constituents

are among the most susceptible to elimination from the environment by indigenous

microorganisms (Prenafeta-Boldú et al. 2004). Prior exposure of an ecosystem to a

pollutant has been correlated with the possibility of that particular compound to be

degraded. Successful biodegradation is a function of the presence of the activity of a

fungal population capable of degrading target contaminants.

Indeed, the key components in bioremediation are the microbial enzymes

involved in the degradative reactions leading to the elimination or detoxification

of the chemical pollutant. Due to superior robustness and metabolic versatility,

mixed cultures rather than pure cultures are currently being applied for the treat-

ment of petroleum wastes in fermentor-based systems. In such a situation, a pre-

acclimated hydrocarbon-degrading culture may be subsequently exposed to a

variety of heterogeneous hydrocarbon-contaminated waste streams (Okoh and

Trejo-Hernandez 2006).

Fungal degradation of monoaromatic compounds has clear implications for

bioremediation, and the role of fungi in the removal of BTEX from the environment

in studies published the last 6 years is subject of this revision.

The process of degradation of woody plant material has a central place in

terrestrial carbon cycling using a nonspecific free radical mechanism (the over-

whelming majority of carbon fixed by land plants is found in lignocellulose). A

relatively large number of basidiomycete fungi are found naturally as wood or leaf-

litter degraders, and the majority of these—the white rot fungi—are capable of

breaking down lignin. However, the ability to degrade xenobiotics is not limited to

basidiomycetes; it is also found in other xylotrophs (e.g., those causing brown rot

and soft rot), as well as in a broad range of soil-dwelling fungi (Rabinovich et al.

2004). The initial steps in this process involve an oxidase (laccase) and a manga-

nese peroxidase. Lignin peroxidase is a crucial component in some fungi, and there

are some less well-studied peroxidases that have atypical substrate specificities.

One of the reports indicated that lignin-degrading white rot fungi, such as

Phanerochaete chrysosporium, can degrade an extremely diverse group of envi-

ronmental pollutants (Pinedo-Rivilla et al. 2009). Since then, there has been intense

worldwide research to unravel the potential of white rot fungi in bioremediation.

This ability of white rot fungi to degrade a wide spectrum of environmental

pollutants sets them apart from many other microbes used in bioremediation.

White rot fungi offer a number of advantages for use in bioremediation. The key

enzymes of the lignin degradation system (LDS) are extracellular, obviating the

need to internalize the substrates and allowing substrates of low solubility to be

oxidized. Furthermore, the extracellular enzyme system of the white rot fungi

enables these organisms to tolerate relatively higher concentrations of toxic

pollutants than would otherwise be possible. The constitutive nature of the key

enzymes involved in the LDS obviates the need for these organisms to be adapted to

the chemical being degraded. White rot fungi are also ubiquitous in nature.
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Although they degrade lignin, they cannot utilize it as a source of energy for growth

and, instead, require co-substrates such as cellulose or other carbon sources (Singh

2006). The preferred substances for growth of white rot fungi in nature are

lignocellulosic substrates. Therefore, inexpensive lignocellulosics such as

corncobs, straw, peanut shells, and sawdust can be added as nutrients at

contaminated sites to obtain enhanced degradation of pollutants by these

organisms. Finally, white rot fungi grow by hyphal extension and thus can reach

pollutants in the soil in ways that other organisms cannot.

8.4.1 Fungal Enumeration

Preliminary analyses of the total heterotrophic and specific hydrocarbon-degrading

fungal counts can provide a good understanding of soil biological conditions and the

extent of acclimatization of indigenous fungal populations to site conditions. Viable

counts indicate the viability of the indigenous fungal population capable of

supporting bioremediation. In addition to the preliminary analyses, monitoring fungal

populations during soil remediation is important to gauge fungal activity in hydro-

carbon degradation. Trametes gibbosa has been measured by enzymatic activity and

biomass dry weight (Zanaroli et al. 2010); other methods include direct inoculation of

serial dilutions (Pozdnyakova et al. 2008), laccase activity (Pozdnyakova et al. 2008),

hyphal dry weight measurements (Garcia-Pena et al. 2008; Hughes et al. 2007),

ergosterol quantification (Ballaminut and Matheus 2007), mycorrhizal colonization

(Volante et al. 2005), 18S rDNA-based PCR-TGGE (temperature gradient gel elec-

trophoresis) (Prenafeta-Boldú et al. 2004), quantification of proteins (Vigueras et al.

2008), carbon dioxide and O2 monitorization (Garcia-Pena et al. 2008), colonization

of substrate, loss of organic matter, pH variation, and total nitrogen (Ballaminut and

Matheus 2007). Yet other techniques such as epifluorescence direct counts, most

probable number techniques, DNA probes, lipid assays, and metabolic indicator

methods can be used (Singh 2006).

8.4.2 Soil Microcosm Test

Soil microcosm tests can be conducted in simple jars of contaminated soil

(Fernandes et al. 2009; Soares et al. 2010) or at pilot scale with soil columns

(Soares et al. 2010). Good results are expected when real environmental conditions

are incorporated in the model of microcosm design. These tests include sterile

treatments as appropriate controls to separate the effects of abiotic hydrocarbon loss

from actual biodegradation (Soares et al. 2010).

Laboratory-based studies have shown that fungi are able to degrade a wide range

of organic pollutants and have great potential for use as inoculants to remediate

contaminated soil. However, soil is a heterogeneous environment, and it is to be
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expected that remediation experiments using fungal inocula will show varying

degrees of success. For example, soil environmental conditions such as pH,

nutrients, and oxygen levels may not be optimal for fungal growth or for activity

of the fungal extracellular enzymes involved in pollutant transformation.

8.4.3 BTEX Application

Antarctic fungi showed a range of susceptibilities to high or saturated

concentrations of hydrocarbons, but hyphal extension rates were reduced more by

aromatic than aliphatic hydrocarbons. Fungi, such asMortierella sp., were found in
Antarctic soils that can degrade and metabolize hydrocarbons, with potential for

bioremediative applications. However, as happens with bacteria, bioremediation

was dependent on soil physical and chemical parameters such as temperature,

nutrients, and moisture availability (Hughes et al. 2007).

Arbuscular mycorrhizal fungi have been studied as potential tools in the recla-

mation of sites contaminated by BTEX. Studies performed with Gigaspora rosea,
Gi. margarita, and Glomus mosseae showed that plants colonized by arbuscular

mycorrhizal fungi are able to reduce the persistence of BTEX in polluted soils

(Volante et al. 2005).

A soil inoculation study with toluene-metabolizing fungus Cladophialophora sp.
strain T1 indicated that fungal inoculation of soil might be a viable technique to

improve biodegradation of BTEX pollutants during bioventing, especially when a

low pH limits the activity of the indigenous bacteria (Prenafeta-Boldú et al. 2004).

Paecilomyces lilacinus consumed toluene as the sole carbon source, although in a

gas-phase biofilter, obtaining a removal efficiency of 53 % (Vigueras et al. 2008).

Another gas-phase biofilter with Paecilomyces variotii showed complete degrada-

tion of toluene to CO2 and biomass. Benzene and the xylenes were only partially

degraded when fed individually (Garcia-Pena et al. 2008). Trametes gibbosa in

microbial consortia showed degradation activity of diesel fuel compounds

(Zanaroli et al. 2010). The application of the white rot fungus Pleurotus ostreatus
in oil-polluted soils has shown that the fungus degraded mainly the simpler

aromatic fraction (mono and di), whereas local soil microflora degraded paraffin

and naphthene oil fractions (Pozdnyakova et al. 2008) (Table 8.1).

8.5 Remediation Techniques (SVE and Bioremediation

on BTEX)

SVE is, as said before, extremely efficient for the extraction of volatile or semi-

volatile contaminants from the saturated zone of the soil. However, under certain

conditions, such as soils with high contents of organic matter, the efficiencies of the
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process decrease significantly endangering the achievement of the defined cleanup

goals (Albergaria et al. 2006). In these cases, it is necessary to complement the

remediation process with other technologies that allow the remediation to be

completed. Bioremediation is one of the technologies that is used more frequently

nowadays to complement SVE because of its proved efficiency and low cost

(USEPA 2010). In other circumstances, the combination of these technologies is

used in temporal succession: in an initial phase, SVE is applied to extract rapidly

and efficiently high amounts of contaminant that are present in soil, reducing the

toxicity that high levels of contaminant create to soil microorganisms, and then, in

the final stage, bioremediation is used to complete the process. In many cases of

bioremediation, the main organisms responsible for the degradation are not known.

Based on this, experimental work was developed in a laboratorial installation

with different soils (sandy soils with four water contents and humic soils with three

organic matter content levels): all the soils were contaminated separately with

benzene, toluene, ethylbenzene, and xylene at an initial level of 250 mg kg�1 and

remediated by SVE until the concentration of contaminant in the extracted

emissions was below 1.0 mg L�1. The results showed that in approximately 29 %

of the cases, SVE was not efficient to achieve the remediation levels defined by

Spanish legislation (Real Decreto 9/2005) because soil organic matter content

influenced negatively the SVE process turning it less efficient and more time

consuming (Soares et al. 2010). Those cases occurred with humic soils (with 4,

14, and 24 % of organic matter content) and more clearly when contaminants with

lower vapor pressures were used (namely, xylene) (Albergaria 2010).

In those soils which through this treatment did not reach the cleanup goals,

bioremediation was implemented.

The first stage of the bioremediation experiments was to verify if the native

microorganisms of the soil were able, by themselves, to degrade the contaminants

or if inoculation of BTEX-degrading microorganisms into the soil was necessary.

Six tests were performed in flasks stoppered with Teflon valves (Mininert™,

VICI®, Valco instruments) containing soil with an organic matter content of

14 %, nutrients (minimum medium obtained from mineral salts medium and

prepared according to Kelly et al. (1994)), and water. A different soil preparation

was used in each flask: one non-sterile, one sterilized by autoclaving, and four more

sterilized and inoculated separately with one of four strains of bacteria (Pseudomo-
nas stutzeri str. OX1, Labrys portucalensis str. F11, Pseudomonas fluorescens str.
ST, and Pseudomonas putida str. KT2440) (De Marco et al. 2004). The tests

showed that the native microorganisms present in soil (flask with non-sterilized

soil) were capable to degrade the contaminants present in soil with yield identical or

better than the best inoculated strain (Soares et al. 2010). Following this conclusion,

bioremediation was performed based only on the native microorganisms (most

probably mainly fungi) of the soil.

The bioremediation experiments were performed in the same stainless steel

columns where SVE remediation had taken place and required complementary

treatment. During the experiments, the degradation was studied by monitoring the

concentration of contaminant in the soil gas phase by gas chromatographic analysis.
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These tests showed that the native microorganisms of the soil were able to degrade

the contaminants to the levels established by legislation; however, above certain

levels of contamination (that depended on the specific BTEX contaminant present

in soil), the soil environment became toxic to the microorganisms inhibiting their

remediation activity. The highest degradation rates were obtained with soils

contaminated with benzene, while the lowest rates were obtained when xylene

was used. Other authors such as Amin et al. (2009), Cozzarelli et al. (2010), Ni et al.

(2010), and Wolicka et al. (2009) also concluded that the biodegradation times for

ethylbenzene were longer than for benzene. The soils with higher content of organic

matter presented higher degradation rates which led to faster remediations (Soares

et al. 2010) which corroborate the contention that organic matter acts as support for

microbial communities.

Based on these results, it was possible to conclude that the resident soil micro-

flora could degrade the contaminants to the pre-defined cleanup goals. Although no

attempts have been carried out in order to identify which organisms were responsi-

ble for the degrading activities, the nature of the organic matter present in the soil

plus the observation of mycelia growing on the surface of the soil and at different

depths in test columns during the course of the experiments seem to suggest that

fungi were involved. This may match with the level of contaminants that inhibited

the degradation. The monitoring registered two distinct stages: an initial one that

was characterized by a stabilization of the concentration of the contaminant in the

gas phase and a final stage where the concentration began to decrease more rapidly

indicating that the degradation was occurring.
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Chapter 9

Biological Remediation of Petroleum

Hydrocarbons in Soil: Suitability of Different

Technologies Applied in Mesocosm

and Microcosm Trials

M. Nazaré F. Couto, M. Clara P. Basto, and M. Teresa S. D. Vasconcelos

9.1 Introduction

Contamination with petroleum hydrocarbons (PHC) is a global problem with

environmental implications, which leads to the need for environmental matrixes

remediation, including soil.

Biological remediation, which relies on the capabilities of microorganisms and/

or plants (Chaudhry et al. 2005) to eliminate or accumulate contaminants from a

contaminated matrix, is an attractive approach to remediate contaminated areas as it

is cost-effective and restores soil structure, providing beautiful landscapes.

9.1.1 Bioremediation

Biodegradation of PHC is characterised by their use as a carbon source by micro-

organisms, resulting in the formation of lower molecular weight compounds or in the

transformation of PHC in more polar compounds with the same carbon number of

the parent compound (Aldrett et al. 1997). The utilisation of these compounds by the

microorganisms depends on environmental constraints and on the chemical nature

of the contaminant in soil (Aldrett et al. 1997). To be considered an effective
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application, the bioremediation process should reveal a higher efficiency than the

natural decontamination rate in the nature (Bento et al. 2005).

Transformation of contaminant by microorganisms involves its destruction or

immobilisation, avoiding its transfer between environmental compartments as

occur in physicochemical treatments that can, for example, entail the movement

of contaminants from soil to atmosphere (Sabaté et al. 2004). In most areas and in

natural circumstances, PHC-degrading microorganisms embrace very few com-

pared with the total number of microorganisms (Joo et al. 2008). Nevertheless, at

PHC-contaminated sites, these populations may grow and increase their abundance

as they use PHC as a carbon source (Gallego et al. 2001; Bento et al. 2005; Das and

Mukherjee 2007).

A process to improve bioremediation is land farming. Soil tillage increases

oxidative potential of the soil, promoting physical volatilisation as well as photo-

chemical oxidation. It also improves conditions for microorganisms resulting in

enhanced natural degradation activity (Huang et al. 2005). However, in aged oil

sludge-contaminated soil, the efficiency of this technique may be limited (Huang

et al. 2005).

9.1.1.1 Bioaugmentation

A strategy to improve the capacity of a contaminated matrix (soil or other biotope)

to remove contamination uses soil amendment, for instance, by means of

bioaugmentation, in order to improve the degradative capacity of contaminated

areas by introduction of specific competent strains or consortia of microorganisms

to the affected environment (El Fantroussi and Agathos 2005).

Indigenous microorganisms, capable of degrading the contaminant, are usually

present in contaminated matrixes, especially if site was priorly exposed to the

contaminant (Bento et al. 2005, Sabaté et al. 2004) having most of the times a

crucial impact in remediation. However, if environmental conditions are

unfavourable or if microbial community does not have the ability to degrade certain

components (e.g. high molecular weight compounds) or to emulsify insoluble

compounds (Mancera-López et al. 2008), soil might not present the sufficient

metabolic potential to degrade contaminant (El Fantroussi and Agathos 2005).

Bioaugmentation can also be applied in soils with absent or relatively low numbers

of competent degraders (Bento et al. 2005; Mrozik and Piotrowska-Seget 2010),

when PHC contamination is toxic to indigenous microorganisms leading to the

inhibition of their biodegradative potential, in small-scale sites where cost of non-

biological methods exceeds cost for bioaugmentation (Mrozik and Piotrowska-

Seget 2010), and in areas contaminated with compounds requiring long acclimation

or adaptation period of time (Mrozik and Piotrowska-Seget 2010). Most of the

reports are related with laboratory-scale (microcosm) studies with only a few well-

documented field studies (El Fantroussi and Agathos 2005). Many reports reveal

the effectiveness of bioaugmentation (Bento et al. 2005; El Fantroussi and Agathos
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2005; Agarry et al. 2010); however, in other cases, it has failed (Bento et al. 2005;

El Fantroussi and Agathos 2005).

Different possibilities can be carried out for bioaugmentation. In one of the

options, indigenous microorganisms are isolated from the target contaminated soil,

and after culturing under laboratory conditions, the preadapted bacterial strains

return to the same soil—reinoculation of soil (Mrozik and Piotrowska-Seget 2010).

This process of selection and culturing of organisms directly from the local site has

shown to give the best results (Devinny and Chang 2000) either in laboratory

(Bento et al. 2005) or in the field.

The relations of inoculated microorganisms with novel biotic and abiotic

conditions (the ecological background), especially in complex biotopes as soil

(El Fantroussi and Agathos 2005), can be critical in terms of activity, migration,

survival, etc., possibly adversely affecting the outcome of the bioaugmentation

strategy in a soil (Di Toro et al. 2008). Exogenous microorganisms can suffer

a rapid decline in population size (“microbiostasis” or “obstinacy”) (El Fantroussi

and Agathos 2005) where predation by protists and competition with autochthonous

microorganisms for poor nutrients and electron acceptors/donors are very often

responsible for this process (Di Toro et al. 2008). For these reasons, there is some

scepticism about commercial bioaugmentation products’ efficiency (Aldrett et al.

1997), because when they are used, there is an application of microbial species that

may be greatly different from those existent in the local environment (Bento et al.

2005) and, in consequence, the added microorganisms may not compete well with

the indigenous microorganism in the soil to remain dominant or viable (Devinny

and Chang 2000). In addition, the possible benefits of these products may not justify

their cost (Bento et al. 2005; Frankenberger et al. 1989) sometimes with native

microorganisms being more active (16–25 % of loss in crude oil weight) than

commercial inocula (Thouand et al. 1999).

Another issue connected with soil inoculation is the delivery of suitable

microorganisms to the desired sites. In one hand, it is simple to disperse inoculants

into surface matrix, but in another hand, it can be very complicated to do it in

subsurface environments (Mrozik and Piotrowska-Seget 2010).

9.1.1.2 Biostimulation

When an oil spill occurs, a considerable amount of PHC enters in the environment.

Due to the high input of carbon compounds, biodegradation can be compromised by

nutrient availability (Ayotamuno et al. 2009), namely nitrogen and phosphorus. The

adjustment of the environment to stimulate indigenous microorganisms to degrade

contaminants (Aldrett et al. 1997) can be carried out by adding N and P (Bento et al.

2005) causing positive effects in the attenuation of PHC (Gallego et al. 2001; Sarkar

et al. 2005; Kogbara 2008). However, lower performances in biostimulation than in

bioaugmentation or even natural attenuation have also been observed (Seklemova

et al. 2001; Bento et al. 2005). One explanation for lower biostimulation

performances may also be the limited nutrient bioavailability (Bento et al. 2005)
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as reported for phosphorus that can became unavailable to microorganisms because

of their low solubility (Mills and Frankenberger 1994).

Biostimulation has been sometimes associated with tilling and/or with

phytoremediation (Ayotamuno et al. 2009).

9.1.2 Phytoremediation

In certain cases, a strategy that uses plants for remediation purposes (Gerhardt et al.

2009; Glick 2010) can be carried out, with the action of plants including degrada-

tion, adsorption, accumulation and volatilisation of compounds or enhancement of

soil rhizosphere activity (Newman and Reynolds 2004).

Phytoremediation technology is cost-effective, nonintrusive (Alkorta and

Garbisu 2001), relatively easy to implement and environmentally friendly, and

there is no need for disposal sites avoiding excavation and heavy traffic.

Disadvantages are related with higher recovery times comparing with physical

and chemical technologies, potential limitations related with climatic and geologi-

cal determinants as well as extremes of environmental toxicity.

9.1.2.1 Rhizoremediation

Individual abilities of both plants and microorganisms may have certain limitations

to remediate organics (Chaudhry et al. 2005), and a synergistic action between them

can be required to achieve efficient degradation. The activity of microorganisms in

the root zone stimulates root exudation which further stimulates microbial activity

(Banks et al. 2003), as plants can supply a quantity of readily available organic

substances that will serve for augmentation and long-term survival of diverse

fungal and bacterial communities in the rhizosphere (Alkorta and Garbisu 2001).

Additionally, root exudates constitute a continuously natural source of readily

available C that may support co-metabolic processes (Fang et al. 2001) such as

co-oxidation of soil-bound and recalcitrant chemicals (Chaudhry et al. 2005).

The composition of microbial community in rhizosphere is known to vary both

qualitatively and quantitatively from that in a non-rhizospheric soil (Chaudhry et al.

2005), also having larger adaptability for growth on different carbon substrates

(including contaminants) than non-rhizosphere microflora (Johnson et al. 2004).

The microbial populations in the rhizosphere are composed of different and syner-

gistic communities rather than a single strain having, consequently, distinct enzy-

matic capabilities and probably working in a sequential and synergistic order

(Chaudhry et al. 2005).

When chemical stress occurs in soil, a plant may react by increasing/changing its

exudation to the rhizosphere, which then alters the microbial composition or

activity of the rhizosphere (Lee et al. 2008) by selectively enrichment for specific

degraders or alternatively secretion of compounds that induce the necessary
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degradative pathways (Fang et al. 2001). It is assumed that, in stress conditions,

plants could selectively increase a degrading population in its rhizosphere by

altering exudation or simply causing a non-specific augment in microbial numbers,

some of which may be degraders or have some other mechanism of protection

against the toxic contaminant.

For a valuable microbe–plant synergy, the soil microbial population must

contain species able of transforming soil-bound and recalcitrant organics by

means of an adaptation and selection within the existent microhabitats. As a

consequence, population characteristics will change significantly in response to

the type and degree of a contamination (Chaudhry et al. 2005). For instance, the

composition of a microbial community has changed in a soil contaminated with

dibenzothiophene (DBT), with time favouring DBT-degrading microorganisms

(Chaudhry et al. 2005).

Since the release of compounds or enzymes from roots is presumed to be

associated with rhizosphere bioremediation and plant types vary in the nature and

quantity of compounds exuded, it follows that both the plant species and soil type

could be significant factors influencing the efficacy of phytoremediation (Lee

et al. 2008). Some studies have concluded that plants stimulated bioremediation

of PHC (Banks et al. 2003; Newman and Reynolds 2004; Gerhardt et al. 2009;

Peng et al. 2009; Agamuthu et al. 2010; Cheema et al. 2010) whereas other

investigations have led to the conclusion that vegetation have not been effective

in the degradation of natural and synthetic compounds (Lalande et al. 2003; Liste

and Prutz 2006) with degradative activities differing among species and varieties

of plants (Wiltse et al. 1998; Liste and Alexander 2000). It was also reported (Euliss

et al. 2008) that only three from five different plant species tested had higher PHC

degradation than non-vegetated treatment, and it was explained that the increase in

remediation affected by plants was coupled with a difference in microbial diversity.

Compared to bulk soil, soil adjacent to the roots contains, in many cases,

increased microbial numbers and population (Macek et al. 2000; Alkorta and

Garbisu 2001; Chaudhry et al. 2005; Kirk et al. 2005; Kaimi et al. 2006; Agamuthu

et al. 2010), presenting a greater range of metabolic capacities (Alkorta and Garbisu

2001) with changes in the community structure (Muratova et al. 2003). However,

sometimes, enhanced number of degraders did not have the highest degradation

rates (Phillips et al. 2006). It was also reported (Bento et al. 2005) that an increase in

microbial activity was not followed by an increase in the number of specific PHC-

degrading microorganisms and/or heterotrophic population. This could indicate that

specialised microorganisms were adjusting to the changing substrate conditions,

increasing their metabolic activity in a stressed environment and thus limiting the

growth of the microbial population (Devinny and Chang 2000; Bento et al. 2005).

Above the controversy, it is well known that in PHC-contaminated sites, bacterial

abundance and proportion of bacteria capable of hydrocarbon degradation are

higher than in non-contaminated areas (Piehler et al. 2002).

Both chemical composition of root exudates and rates of exudation differ

significantly between plant species (Alkorta and Garbisu 2001) with changes in

soil microbial communities being plant-specific (including decrease or increase in
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microbial diversity), suggesting that different plants may enhance rhizosphere

degradation by selection of a variety of microbial communities (Euliss et al. 2008).

Plants vary widely with respect to root parameters such as morphology, root

exudation, fine root turnover, root decomposition and associated microbial

communities (Mueller and Shann 2006). Some researchers screened different species

characterised by the exudation of phenols that support polychlorinated byphenyl

(PCBs)-degrading bacteria and found that not all plants produce and release the

same types of phenolic compounds what will imply that some plants may preferen-

tially harbour PCBs degrading in their rhizosphere (Alkorta and Garbisu 2001).

To perform an effective remediation effect, plants should establish in soil

environment, and the velocity of this process is not the same for different individual

or mixed treatments (Banks et al. 2003). Additionally, plants should proliferate in

the presence of high concentrations of contaminants (Huang et al. 2005).

Association of plants and its effect in remediation has also been tested (Cheema

et al. 2010). The primary hypothesis is that the effects of mixed plant populations

could be cumulative, with the positive benefits of each individual species summing

to a greater whole (Phillips et al. 2006). Combinations of root types allow combi-

nation of exudate patterns stimulating microbial communities, namely the catabolic

potential (Cheema et al. 2010). However, some studies (Banks et al. 2003; Phillips

et al. 2006) on the efficacy of phytoremediation for weathered hydrocarbon-

contaminated soil have found that a combination of species resulted in a decrease

in degradation potential compared to single plant. Allelopathic interactions

between two species used in the mixed plant treatment can increase desorption of

PHC probably by alteration of both microbial and plant inputs (Phillips et al. 2009).

It seems that one of the species of the mixture can be dominant, selectively

influencing degrader populations, situation that will not immediately favour

increased overall degradation (Phillips et al. 2006).

9.1.3 Remediation of Aged Contamination

In weathered contaminated soils, the more volatile/soluble PHC will be the most

susceptible to change by volatilisation/chemical reaction/leaching/biotransforma-

tion, occurring an enrichment in nonvolatile fractions (Banks et al. 2003), that can

be entrapped in soil micropores. In fact, bioavailability will be limited by means of

adsorption and/or precipitation phenomena (Torres et al. 2005) and/or entrapment

of contaminants within soil micropores (Banks et al. 2003).

Therefore, actual environmentally contaminated and aged soils often behave

differently from laboratory-spiked soils, with respect to remediation (Huang et al.

2005), contaminants being, in the second case, inaccessible to plant roots or microbial

degraders (Gao et al. 2007) due to the formation of soil-bounded and insoluble

compounds.

Plants may enhance biodegradation of entrapped contaminants (Banks et al.

2003) by different ways. On one hand, fine roots and root hairs penetrate micropores,
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disrupt soil aggregates concomitantly increasing exposed surface area and transport

microorganisms that were attached to the root surface, allowing them to thrive in

regions of the soil that were inaccessible without roots (Banks et al. 2003), also

increasing oxygen contents in that part of the soil. On the other hand, root exudates

may enhance desorption of contaminants from soil as plants have been shown to

secrete enzymes and secondary metabolites that also have a surfactant activity,

which may increase available contaminant concentration in soil (Chaudhry et al.

2005).

9.1.4 The Role of Surfactants

Nonpolar organic contaminants, like PHC, will bind to hydrophobic groups of the

surfactants or will accumulate at the centre of micelles (aggregates of surfactant

molecules), and thus, the hydrophobic contaminant solubility in aqueous phase will

increase. Therefore, microbial degradation may be facilitated by the addition of a

surfactant to the soil, as it will promote desorption of contaminant and facilitate

their transfer from the solid to the water phase. In this case, surfactant could be

helpful to enhance the efficacy of the phytoremediation explanta (Gao et al. 2007).

However, there are conflicting views and evidence as to whether the presence of

surfactants in soil enhances (Haigh 1996; Torres et al. 2005; Cheng et al. 2008), has

no effect or even inhibits (Haigh 1996; Gao et al. 2007) the degradation of

hydrophobic organic contaminants. However, in successful cases, degradation can

be enhanced even in the presence of low surfactant concentrations (Haigh 1996) or

in the absence of an effect on desorption.

9.2 Aims of the Work

It has been proved that biological remediation can, in certain cases, provide an

efficient way to remediate contaminated matrixes. However, to be competitive in

the market, its overall scope and rate of decontamination (Chaudhry et al. 2005)

should be enhanced, in order to efficiently compete with physical and chemical

methods. Field studies are still scarce in the literature. Field experiments are subject

to unpredictable variables, as interactions among contaminant and chemicals,

uncontrolled climatic conditions as well as adverse biotic factors (e.g. herbivore

damage) that frequently occur and influence the results.

Here, the results of a work whose main purpose was to search for a suitable

biological technology for removal PHC from a soil with weathered contamination

were reported. It was executed, from 2007 to 2010, a pilot project, in mesocosms

trials, which took place in the environment of a petroleum refinery (Porto Refinery

from the Galp Energia group). Within the same period, shorter experiments were

also carried out in outdoor microcosm scale but at laboratory environment. Although
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laboratory experiments are not as realistic as the field ones, they allow a better

control of the experimental conditions. Different experiments were carried out, in

parallel, in order to obtain comparable results, and the following specific aims were

globally persecuted: (1) comparison of the effectiveness of phytoremediation

(different vascular plants were tested for this purpose) with bioremediation (by

means only of indigenous microorganisms—natural attenuation—and by using

bioaugmentation) and (2) a possible synergistic effect resulting of simultaneous

application of more than one remediation technology (phytoremediation, bioreme-

diation and soil amendments). Therefore, it was compared the efficiency of PHC

remediation in soil non-vegetated by the action of microorganisms and in soil

vegetated, which may take advantage of joint action of the plant and of the

microorganisms that grow around the roots.

9.3 Experimental

9.3.1 General Description of the Work

This work consisted, basically, of a mesocosm-scale experiment, which was carried

out in the refinery environment (field study—Fig. 9.1a), and of a microcosm-scale

experiment that took place outdoor in laboratory environment (lab study—Fig. 9.1b).

In both studies, it was compared the efficiency of PHC remediation in soil non-

vegetated by the action of microorganisms and in soil vegetated, which may take

advantage of joint action of the plant and of the microorganisms that grow around

the roots. In the field study, the effectiveness of the remedial biological process in

the absence and presence of soil amendments was systematically compared.

Plants tested in the field study were Cortaderia selloana (Poaceae family),

Scirpus maritimus (Cyperaceae family) and Juncus maritimus (Juncacea family).

The two last plant species were chosen because of their tolerance to salinity, which

will make them potentially suitable for remediation of PHC in coastal

environments, where accidental oil spills sometimes occur and where petroleum

refineries are often installed.

In the study in microcosm scale, S. maritimus and J. maritimus were also used,

alone and in association, as well as another plant species, Halimione portulacoides
(Chenopodiaceae family), that also existed in the area where the other two species

were collected for transplantation (see below).

The remediation potential of PHC of any of the plant species used had never

been searched before, as far as we could ascertain.

In all studies, the potential of each tested technology for remediation of both

recent and old contamination was also investigated, since the degree of bioavail-

ability of PHC can be very different in the two cases, being usually lower in the

second one, for reasons that were discussed above.
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9.3.2 Field Work

9.3.2.1 Preparation of Containers with Contaminated Soil

Soil contaminated with crude oil (ca.10 mg g�1) was excavated from a refinery

area, in July 2007, near a tank container where an oil spill occurred in a previous

unknown date. Just after excavation, the removed soil was recontaminated with

Galp Turbinoil (turbine oil) in order to increase the amount of PHC (Couto et al.

2010), the total PHC (TPHC) concentration being ca. 20 mg g�1.

Just after recontamination, soil was homogenised and distributed uniformly to

21 containers of high-density polyethylene with 1.0 m2 of base area and about

70 cm of height. Sixteen containers received transplants of different plants (see

below), and the remaining were left without vegetation to be used both as control

and in bioremediation experiments.

Sampling: April 2008, July 2008 and July 2009

Sampling: October 2009 and May 2010

Lab study PhytoremediationNatural attenuation

Mixture of old and recent contamination

BioaugmentationAddition of a 
surfactant

Biostimulation
Juncus 

maritimus
Scirpus 

maritimus
Cortaderia 
selloana

Natural attenuationBioremediation

a

b

Field study

Phytoremediation

Alone and in 
association

Old contamination Mixture of old and recent 
contamination

J.maritimus S.maritimus Halimione
portulacoides

Natural 
attenuation

Fig. 9.1 (a) Experimental design of field study. (b) Experimental design of laboratory study
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9.3.2.2 Plant Species for Transplantation and Bioremediation Experiments

Plants tested in the field study were C. selloana, which grew spontaneously in

another area of the refinery (PHC from several sources in a TPHC concentration of

0.5 mg g�1 with contamination of other natures) from where the transplants were

obtained for the study, as well as S. maritimus and J. maritimus, which grew

spontaneously in a salt marsh of the low estuary of Douro river (TPHC concentra-

tion in the rhizosediment was of 0.2 mg g�1).

All plants were transplanted to target containers without a previous washing of

the roots with the purpose of diminish plant stress.

Five containers were used for bioremediation experiments. One container was

left as it was throughout the study—natural attenuation (serving as control not only

for bioremediation but also for phytoremediation experiments). The remaining

received (1) biostimulation by adding (1.1) only nutrients and (1.2) nutrients and

a nonionic surfactant and (2) bioaugmentation in the presence of added (2.1)

nutrients or (2.2) nutrients and a nonionic surfactant amendments. All the

amendments and aeration were performed weekly.

9.3.2.3 Regular Amendments

During the bioremediation study, the non-vegetated containers received, weekly, a

nutrient amendment in order to attain a final proportion of C:N:P of about 62:5:2.

For this purpose, a mixture of suitable amounts of NH4NO3 and (NH4)2HPO4 of

commercial grade was used. The vegetated containers were amended with the

nutrient solution only once, at the commencement of the work.

For surfactant amendment, a 0.15 % (v/v) aqueous solution of a nonionic

surfactant [CH3–(CH2)8 or 10–(OCH2CH2)6–OH] was added to the soil weekly

(Couto et al. 2010), during the first 9 months of experiment (bioremediation

study) or during the first year experiment (phytoremediation study).

A commercial bioaugmentation product, containing microorganisms that use

PHC as a carbon source, was used for bioaugmentation. Despite normally used for

wastewater treatment, the product can be applied also to soil remediation (supplier’s

information) (Couto et al. 2010). This product was added to the soil weekly, with a

concentration of approximately 1.6 � 10�3 mg g�1 of soil (Couto et al. 2010),

during the first 9 months, in bioremediation study, and during the first year in

phytoremediation study.

Water was regularly added to all containers whenever required. Manual tillage

was performed, only in non-vegetated soil, down to about 10 cm of depth with a

garden hoe. This procedure was carried out during the first 9-month period of

experiment that is up to the first analysis of the soil in non-vegetated containers.
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9.3.3 Laboratory Experiment

One part of the soil that had been subjected to natural attenuation and nutrient

amendment in the field study (about 40 kg in total) was collected after 21 months of

exposure (in March 2009) and divided in two parts. One part was left as it was, that

is, with less biodegradable fraction of PHC-old contamination, (10.4 � 0.9 mg g�1)

and the remaining soil was recontaminated with turbine oil, by means of manual

homogenisation (Couto et al. 2011a). Soil remained untreated for 2 days, and its

TPHC concentration was determined as being 30 � 2 mg g�1 (Couto et al. 2011a).

Twenty-four pots of 1.5 L of capacity were used for remediation trials. The pots

(filled with about 660 g of contaminated soil) were placed in the exterior of the

laboratory building in a non-covered area. Three pots with soil with old contami-
nation and three other ones with a soil with a mixture old and recent contamination
remained non-vegetated to be used as controls (natural attenuation) (Couto et al.

2011a). In this study, S. maritimus and J. maritimus (alone and in association) were
also used, as well as another salt marsh plant, H. portulacoides.

Biweekly, all the vases were supplied with one quarter-strength-modified

Hoagland nutrient solution (Hoagland and Arnon 1950). This procedure was carried

out in the laboratory experiment and not in the field attending to the different

quantity of soil involved in each experiment (660 g vs. 400 kg) and, in consequence,
the possible quick ending of readily available inorganic nutrients in the first case.

9.3.4 Soil Sampling

In the mesocosm-scale experiment, soil cores with 20 cm depth were collected from

five random different locations (around plants in vegetated containers) of each

container. Each core was divided in four segments, 0–5 cm, 5–10 cm, 10–15 cm

and 15–20 cm depths and manually homogenised to obtain a composite sample.

In the microcosm-scale experiment, the procedures were similar to those

described above, except with regard to the depth of sampling, as only the soil

fraction at the level of the root system was collected, and the number of cores per

pot, which was just one in this case.

Due to the dimensions of the work in mesocosm-scale, sampling faced addi-

tional problems that usually do not occur in microcosm scale. For instance, in the

present work, despite physical soil homogenisation, it was not possible to prevent

the appearance of some aggregates of contamination in the soil. Therefore, addi-

tional precautions were taken during sampling, in order to prevent overestimation

of PHC in the samples.
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9.3.5 Experimental Materials

9.3.5.1 Soil Characterisation

Soil composition, in terms of grain size, was performed by dry sieving, and it

presented a fraction of silt and clay lower than 9 %. Organic matter content (7.5 %)

was determined by loss on ignition (4 h at 500 �C) (Couto et al. 2010). The pH value

was 6.4 (determined with a Mettler Toledo International pH/mVmeter equipped with

a combined pH electrode Inlab 302, from the same brand). The same equipment with

a combined redox electrode (Inlab 501) was used to estimate the soil redox potential

(Couto et al. 2010) at the end of the study, which was �400 mV in all cases.

9.3.5.2 Microbial Analysis

Total cell count of microorganisms (TCC) in the soil sample was performed using a

modification of the 40,60-diamidino-2-phenylindole (DAPI) direct count method

(Kepner and Pratt 1994; Porter and Feig 1980).

The most probable number of culturable hydrocarbon degraders (MPN) deter-

mination was carried out adapting a protocol already developed (Wrenn and

Venosa 1996). Crude oil and turbine oil (supplied by the refinery) were used as

the selective carbon source for determination of specific degraders.

9.3.5.3 Determination of Total Petroleum Hydrocarbons

Two different methodologies were used for evaluating TPHC content in soil, in

order to estimate remediation efficiency of the biological technologies tested.

Fourier transform infrared spectrophotometry (FTIR) was used to estimate the

level of contamination (Couto et al. 2012a). Briefly, about 1 g of soil was mixed

with 1 g of anhydrous sodium sulphate and with 10 mL of tetrachloroethylene, and

an ultrasonic extraction was performed for 30 min, with a final cleaning step using

deactivated silica gel. The absorbance of the extract was measured at the maximum

near 2,926 cm�1and compared with calibration curve.

Gas chromatography with flame ionisation detection (GC-FID) was used to

provide information about the profile of the distribution of PHC between C10 and

C40 and about the relative magnitude of different PHC. A Varian 3800 gas chromato-

graph provided with a column VF-5ht (Varian Factor Four) 30 m � 0.25 mm � 0.25

mm was used for this purpose as well as a protocol adapted from the literature (Saari

et al. 2007) and from the previously described methodology. Again, 1 g of soil and 1 g

of anhydrous sodium sulphate for drying and ultrasonic extraction (30 min) were

used. After extraction, the six millilitres of extract (a mixture of acetone:n-hexane
(1:1(v/v))) was solid phase extracted (Florisil) (Couto et al. 2011). The chro-

matographic programme was the one reported by Saari et al. 2007.
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9.3.6 Statistics

Degradation of PHC and MPN (log transformed prior analysis) were examined.

Means, based on three replicates for each treatment, were compared by analysis of

variance (ANOVA) followed by a Tukey Test.

9.4 Interpretation of Data

9.4.1 Field Study

9.4.1.1 Bioremediation

Efficiency of bioremediation was evaluated after 9 and 24 months of permanence of

the soil in containers. Only during the first 9-month period, soil was subject to

several amendments, whose effects were also considered. Results of percentage of

TPHC that remained in the soil after 9 (Couto et al. 2010) and 24 months of

exposure are shown in Fig. 9.2.

Only results of non-aerated soil are presented in Fig. 9.2, attending that, in

general, tillage did not improved remediation efficiency (Couto et al. 2010).

Some advantages can be related with this practice (Gogoi et al. 2003; Vasudevan

and Rajaram 2001), but in this work, it does not prove to be efficient, in part

explained by soil texture as well as aerated conditions (pE > 400 mV) (periodic

watering).

After 9 months of exposure, in general, it was observed that in surface soil, the

percentage of TPHC degradation was between 20 and 50 %, decreasing with depth

between 10 and 35 %. The enhanced remediation at surface soil corroborates the

importance of photochemical oxidation, namely in atmospheres that are rich in

volatile organic compounds (Couto et al. 2010). Nevertheless, even at surface, PHC

degradation was not higher that 50 % of initial TPHC, which coincide with the

recent contamination (added just before the beginning of the work).

Natural attenuation was as efficient as several soil treatments tested. In fact,

PHC-degrading microorganisms, ubiquitous in most environments, are present in

sites where contaminants may serve as organic carbon sources. In this case, they

started to establish when the first oil spill occurred; this means some years ago.

Treatments with nutrients, nutrients and surfactant and bioaugmentation plus

nutrients did not significantly increase degradation. However, the combination of

bioaugmentation, nutrients, and surfactant-enhanced remediation, especially until

5 cm depth, is the maximum value obtained in this part of the field experiment

(Couto et al. 2010). The use of commercial bioaugmentation products has some

advantages over laboratorial augmentation, attending that they are ready to use and

no laboratorial prework is necessary to carry out a remediation strategy. Neverthe-

less, the survival of the introduced microorganisms can be compromised especially
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when a well-adapted autochthonous population is already degrading the contami-

nant, as it happened in the refinery soil. In this case, however, the use of a

commercial bioaugmentation product together with inorganic nutrients and non-

ionic surfactant amendments revealed a better efficiency than natural attenuation.

The enumeration of microbial cells was carried out only in soil collected at

5–10 cm depth. This layer was chosen because it corresponded to the layer that

contained the highest density of roots in the case of vegetated soil to allow a

comparison. After 9-month period of exposure, the number of total cell counts in

5–10 cm soil layer was similar to those found in the initial soil, with variations of

30 % or lower (Couto et al. 2010). This result corroborated the idea that changes in

numbers of PHC degraders can occur, but values of total bacteria have little

fluctuations, being not statistically influenced by the different biological remedia-

tion treatments tested.

After 24 months of exposure in the absence of amendments, percentages of

TPHC removal were similar at all depths, being about 50 % of total contamination.

As this value corresponds to 100 % of recent contamination, it seems that old

contamination was refractory to bioremediation.

9.4.1.2 Plant Effects

After 12 months of exposure, none of the tested plant species could enhance

remediation significantly (Couto and Vasconcelos 2009). This fact suggested that

transplants in rhizoremediation strategies of PHC might require extended exposure

periods for providing suitable results. This aspect may be more relevant when the

soil that needs remediation presents weathered contamination and, therefore, a

microbiological community well adapted to that carbon source. This will be because
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Fig. 9.2 Percentage of TPHC [mean value and confidence limits (P < 0.05)] that remained in

non-vegetated soil subjected to different experimental conditions* after 9 (adapted from Couto

et al. 2010) and 24 months of exposure (only for the control soil). *N, nutrients amendment; NS,

nutrients and surfactant amendments; BN, bioaugmentation and nutrients amendments; BNS,

bioaugmentation, nutrients and surfactant amendments; C, control soil (natural attenuation)
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both plants and the associated soil microorganisms need time for mutual adaptation

before the system can act as an efficient degrader of contamination (Couto and

Vasconcelos 2009).

In the case of C. selloana, a positive role on the degradation of PHC was not

visible even after 24 months of exposure (Couto et al. 2012b) (Fig. 9.3). Indeed, the

mitigation of the contamination levels was not significantly different in the pres-

ence and in the absence of the plant (control soil).

The MPN of culturable turbine oil and crude oil degraders present in the layer

with highest root density (5–10 cm depth) was of the same magnitude order in the

presence and in the absence of the plant (Couto et al. 2012b), which was compatible

with absence of synergetic effects between plant and rhizosphere microorganisms.

Therefore, the plant did not show to be able of either uptake or stimulated microbial

degradation of PHC.

Additionally, the simultaneous use of surfactant and bioaugmention amendments

in the presence of the plant slightly improved the removal of PHC, which suggested

that an increase of PHC bioavailability favoured the use of the contaminant as

carbon source by the inocula. The presence of C. selloana apparently facilitated the
migration of additives and microorganisms into the deeper layers of soil, which can

be considered a secondary but positive role of the plant on the remediation (Couto

et al. 2012b). However, this effect, by itself, does not support the application of the

spontaneously grown C. selloana as a refinery resource for remediation purposes.

Neither J. maritimus nor association of this plant species with S. maritimus
displayed potentialities for PHC remediation in the present study (results not

shown).

In contrast, after 24 months of exposure, S. maritimus revealed capability to

improve the efficiency of PHC degradation, relative to natural attenuation (that
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Fig. 9.3 Percentage of TPHC [mean value and standard deviation (n ¼ 3)] that remained in C.
selloana vegetated soil subjected to different experimental conditions* (adapted from Couto et al.

2012b) after 24 months of exposure. *C, control soil (natural attenuation); PBS, vegetated soil with

bioaugmentation and surfactant amendments; PB, vegetated soil with bioaugmentation amend-

ment; PS, vegetated soil with surfactant amendment; P, vegetated soil
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took place in non-vegetated soil and removed ca. 50 % of TPHC), although

statistically significant difference (15 % higher) was only achieved in 5–10 cm

depth layer, where there was higher root density (Couto et al. 2012c), as can be seen

in Fig. 9.4.

An analysis of GC-FID chromatogram of the initial soil revealed (data not

shown) the presence of a mixture of turbine oil and crude oil, without the more

volatile fractions of the last one, as expected due to the weathered character of this

contamination.

GC-FID data (not shown) confirmed that the layer where plant most favoured

PHC degradation was the one between 5 and 10 cm depth, being particularly

efficient in the degradation of heavier (C22�C40) fractions (Couto et al. 2012c).

With depth increasing, rhizospheric effect was becoming less pronounced, with

plant in 10–15 cm layer, only promoting removal of C22�C40 fraction and with

slight degradation inhibition between 15 and 20 cm depth (where root has a lower

field of action attending to its surface and density) (Couto et al. 2012c).

Microbiological analyses, in 5–10 cm soil layer, corroborated “rhizospheric

effect” attending that MPN of crude oil degraders (old contamination) was

tendencially higher in the presence of plant. This fact indicated that synergistic

interaction between root and microorganisms was, probably, more effective in

weathered contamination than in the recent one. Additionally, a comparison of

MPN values found at S. maritimus initial rhizosphere (in estuarine environment,

with a contamination ca. 50 times lower than that present in refinery soil and with

carbon sources apparently different from those found in the refinery environment)

and after exposure in refinery soil showed that turbine oil degraders significantly

increased and crude oil degraders tendencially increased (Couto et al. 2012c).

These facts, all together, allowed concluding that after a 20-month period, the

system plant rhizosphere was working. The difficulty in adaptation, in this

contaminated soil, can be partially explained by its weathered contamination. In
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one hand, the more labile PHC fractions had already disappeared with some PHC

fractions, very probably, being sorbed to soil particles. On the other hand, when the

oil spill happened, some years ago, PHC degraders started to establish since they

are ubiquitous in soil environment. Twenty-four months before, when transplants

occurred, that microflora acted as a buffer to incoming microorganisms, competing

and thriving with them, fact that delayed the effectiveness of transplants.

Comparing with only the effect of S. maritimus, both addition of nonionic

surfactant and bioaugmentation did not enhance remediation efficiency. It is

worth of note that bioaugmentation had the lowest performance in this set of

experiments, and once again, the possible explanation is the existence of physio-

logically adapted microorganisms that started to establish some years ago (Couto

et al. 2012c). As observed with C. selloana, for S. maritimus, the simultaneous

addition of surfactant and bioaugmentation product also increased TPHC degrada-

tion (remediation efficiency double that observed for the plant alone) but, in this

case, in 5–10 cm soil layer, where the root density was higher. To note, this was also

the layer where C. selloana has higher root density. However, the morphology of

the roots of C. selloana favours the physical retention of PHC, which will upset the
possible effect of the amendments. Any case, significant improvement of degraders

was not found.

9.4.2 Laboratory Study

The field work was complemented with a less extensive (a 7-month period)

laboratorial work. The percentages of TPHC that remained either in soil that

initially contained only old contamination or in that containing a mixture of old

and recent contamination (Couto et al. 2011) are shown in Fig. 9.5.

9.4.2.1 Old Contamination

Practically, PHC removal was inexistent in old contaminated soil, except for soil

vegetated with S. maritimus and H. portulacoides. It is worthy of note that this aged
contamination presented, mainly, recalcitrant PHC fractions. Nevertheless, the

species S. maritimus could significantly enhance remediation, in ca. 13 %.

H. portulacoides seemed also to favour remediation (a 10 % of TPHC decrease

was observed, but this result was not significantly different from natural attenua-

tion) (Couto et al. 2011). The positive plant effect can be explained either by

enhanced contaminant’s bioavailability, desorption or co-metabolism. However,

the presence of J. maritimus and association of S. maritimus and J. maritimus did
not cause any enhancement of PHC degradation, which demonstrated that the

nature of the plant may condition the results.
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9.4.2.2 Mixture of Old and Recent Contamination

S. maritimus could cause marked positive effects on PHC remediation in soil

containing a mixture of recent and old contamination: ca. 80 % of TPHC removal

and 40 % being inside the refractory category (Couto et al. 2012c).H. portulacoides
also significantly favoured PHC degradation, although in a less extent than

S. maritimus.
As was observed in the field study, neither J. maritimus alone nor the association

of S. maritimus and J. maritimus in the same pots (to note that these two species

were associated in the site where they were collected) was able to significantly

increase PHC remediation relative to natural attenuation, even in the presence of

recent contamination. It has been reported that mixed plant populations may cause

synergetic effects, displaying higher total positive effect than individual one

(Cheema et al. 2010). However, in the present case, the presence of J. maritimus
seemed to neutralise the effectiveness of S. maritimus by itself.

In non-vegetated soil (natural attenuation), in 7 months of exposure, about 63 %

of recent contamination (about 42 % of total contamination) was removed (Couto

et al. 2011). This fact indicated that indigenous microorganisms were able to

consume, as a carbon source, most of the available turbine oil in a relatively short

period of time.

In the work carried out in the refinery environment, a slightly lower effectiveness

of TPHC removal (ca. 50 %) was observed in the upper soil layer after 9 months of

exposure (see Sect. 9.4.1.1). Any case, the results of this work demonstrated that

indigenous microorganisms can have an important role in restoration of ecosystems

disturbed by recent PHC contamination, turbine oil in the present case. Neverthe-

less, microorganisms alone were slower in degrading PHC than in the presence of
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Fig. 9.5 Percentage of TPHC [mean value and standard deviation (n ¼ 3)] that remained in

vegetated and non-vegetated soil after 7 months of exposure in the laboratory experiment (adapted

from Couto et al. 2011). C, control soil (natural attenuation)
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the plants S. maritimus and H. portulacoides. In addition, the results of this work

cannot be inferred that indigenous microorganisms by themselves were able to

degrade old contamination.

At the end of the laboratorial work, MPN presented in soil with only old

contamination was lower than those presented in soil with mixture of old and recent

contamination, probably as a result of toxic effect of turbine oil. At the beginning of

the experiment, crude oil degraders were higher than turbine oil degraders, as it was

expected attending to different times of contamination (some years to crude oil and

21 months to turbine oil) (Couto et al. 2011).

9.5 Conclusions

Studies in both mesocosm- and microscale provided results coherent in substance,

which gave consistence to the information obtained, and confidence in the final

conclusions that it was possible to extract.

As a whole, the studies of bioremediation allowed to conclude that, considering

a certain period of exposure, PHC degradation at soil surface layer (0–5 cm depth)

was more extensive than at higher depth. As at depths down to 20 cm depth (the

maximum attained in the field study) aerobic conditions (redox potential � 400

mV) were also observed (caused by aeration and watering), it was admitted that,

probably, photochemical oxidants, like O3, present in sunny days (very common in

Portugal) favoured PHC degradation. Indeed, petroleum refinery and urban

atmospheres can present volatile organic compounds and nitrogen dioxide, which

are precursors of secondary oxidants. For the deeper layers of soil, where the action

of both sunlight and photochemical oxidants cannot be felt, it was concluded that

bioremediation by indigenous microorganisms could only remove recent contami-

nation, which was of turbine oil in the present work. Among the different

amendments tested, only a combination of bioaugmentation with inorganic

nutrients and surfactant amendments could make faster PHC degradation relatively

to natural attenuation, thus reducing, therefore, the time required for soil recovery.

Indeed, after a 9-month exposure in the field experiment, natural attenuation could

remove ca. 33 % of initial TPHC, which correspond to 66 % of recent contamina-

tion, whereas in the presence of amendments, the percentage of TPHC removal was

50 % of total initial contamination or 100 % if only the recent one was considered.

After a 24-month exposure, 100 % removal of recent contamination was observed

either in the absence or presence of amendments.

Therefore, an important practical conclusion of this work is that a cost-effective

way to reduce half-life for degradation of PHC of recently contaminated soil in the

refinery (or maybe elsewhere) can be a periodic revolving of the soil, like tillage, in

order to expose the different layers of contaminated soil to atmospheric oxygen. A

combination of soil revolving with bioaugmentation, together with nutrients and

surfactant amendments, may result in an additional improvement of PHC degrada-

tion rate. However, as this last procedure will raise markedly the price of the
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remediation treatment, a cost-benefit analysis should be performed before deciding

to carry out amendments.

With regard to action of the plants, among those tested in the field study,

S. maritimus was the only one that revealed capability to improve the efficiency

of PHC degradation. In fact, besides the plant has tolerated, without apparent harm,

the levels of soil contamination (20 mg g�1 in the field study and 30 mg g�1 in the

laboratory study), in soil vegetated by S. maritimus, degradation of PHC was not

only faster than the natural attenuation but also it was extensive to weathered

contamination, being particularly efficient for the heavier PHC from weathered

contamination. This seems to be an important advantage relatively to natural

attenuation in aerobic conditions, when it is necessary to remediate soil with old

contamination, to which bioremediation was not effective. Going into some detail,

at the end of the field study (24-month exposure), the presence of the plant resulted

in an increase of 15 % of remediation in the soil layer with higher root density

(between 5 and 10 cm depth) and a marked improvement of remediation efficiency

in that layer (28 % higher than natural attenuation) was observed when both

nonionic surfactant amendment and bioaugmentation were combined with the

presence of the plant. In the laboratory study, the results were still quite more

expressive, given that, in only 7-month exposure, S. maritimus was capable of

removing not only the recent contamination but also 40 % of the older contamina-

tion which was refractory to natural attenuation.

A more general conclusion that emerges from the fact that the salt marsh plant S.
maritimus has demonstrated capability for PHC remediation of both recent and

weathered PHC contamination is that this plant species has potential to be used,

either in situ or ex situ, for recovering coastal sediments that have suffered

accidental oil spills.

The laboratory study revealed furthermore that H. portulacoides also has poten-
tial to be used for enhancing remediation of PHC contamination in soil. Therefore,

this plant species deserves a more extensive study in mesocosm-scale or directly in

the field if possible.

In contrast, J. maritimus and association of J. maritimus and S. maritimus did not
reveal capability to improve PHC remediation in soil, the presence of J. maritimus
inhibiting anyway the capability of S. maritimus when the two plants were used in

association. As the two plants are sometimes associated in the natural environment,

the presence of J. maritimus might be a limitation for application of S. maritimus in
PHC remediation in situ when the two plants species are associated there.

Future research work is necessary to complement and substantiate the informa-

tion provided by the present study. For instance, as the results on the suitability of S.
maritimus in terms of PHC remediation are very promissory, it will be very

interesting to extend the study to recover contaminated sediments, either ex situ

or in situ.

It is worthwhile to conduct similar studies for H. portulacoides, which despite

having been the subject of a more limited study in this work, also showed potential

for PHC remediation, and it is disseminated by several estuaries.
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Since J. maritimus itself and association of this species and S. maritimus did not
reveal capability to enhance PHC remediation in the tested soil and these two plant

species are sometimes associated in the natural estuarine environment, there will be

interest in investigating whether the presence of J. maritimus may be a limitation

for application of S. maritimus in PHC remediation in situ, when the two plant

species grow together.

In any case, at least the two following main purposes should be achieved: (a) the

suitability for PHC remediation of the plant in the endogenous place and

(b) the time that plant requires to act as an efficient remediator of PHC.
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Chapter 10

Pesticides Removal Using Actinomycetes

and Plants

Analı́a Alvarez, Marı́a S. Fuentes, Claudia S. Benimeli, Sergio A. Cuozzo,

Juliana M. Saez, and Marı́a J. Amoroso

10.1 Introduction

Organochlorine pesticides have been used extensively all over the world for public

health and agricultural purposes. Currently, their use is being phased out because of

their toxicity, environmental persistence, and accumulation in the food chain.

Hexachlorocyclohexane (HCH) is one of the most extensively used organochlorine

pesticides for both agriculture and medical purposes. Though the use of technical

mixture containing eight stereoisomers was banned in several advanced countries in

the 1970s, many developing countries continue to use lindane (g-HCH) for
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economic reasons. Thus, new sites are continuously being contaminated by g-HCH
and its stereoisomers (Blais et al. 1998; Kidd et al. 2008; Fuentes et al. 2010).

Although only lindane is insecticidal, HCH as a group is toxic and considered as

potential carcinogens (Walker et al. 1999).

For the supply of g isomer, the other stereoisomers are separated from g-HCH
and dumped as waste at different spots on the production sites causing serious soil

pollution (Li 1999). HCH continues to pose a serious toxicological problem at

industrial sites where post-production of lindane along with unsound disposal

practices has led to serious contamination, and HCH contamination continues to

be a global issue (Kidd et al. 2008). These compounds have moderate volatility and

can be transported by air to remote locations (Galiulin et al. 2002). Therefore, a

possible pathway for bioremediation of contaminated soils is the use of indigenous

microorganisms. It is known that the microbial degradation of chlorinated

pesticides such as HCH is usually carried out by using either pure or mixed culture

systems. There have been some reports regarding aerobic degradation of g-HCH by

Gram-negative bacteria like Sphingomonas (Singh et al. 2000; Kidd et al. 2008) and
by the white-rot fungi Trametes hirsuta, Phanerochaete chrysosporium, Cyathus
bulleri, and Phanerochaete sordida (Mougin et al. 1999; Singh and Kuhad 2000).

However, little information is available on the ability of organochlorine pesticide

biotransformation by Gram-positive microorganisms and particularly by actinomy-

cete species, the main group of bacteria present in soils and sediments (De Schrijver

and De Mot 1999). These Gram-positive microorganisms have a great potential for

biodegradation of organic and inorganic toxic compounds and also could remove

different organochlorine pesticides when other carbon sources are present in the

medium as energy source (Ravel et al. 1998; Amoroso et al. 1998; Benimeli et al.

2003). Therefore, the ability of actinomycetes to transform organochlorine

pesticides has not been widely investigated, despite studies demonstrating that

actinomycetes, specifically of the genus Streptomyces, have been able to oxidize,

partially dechlorinate, and dealkylate aldrin, DDT, and herbicides like metolachlor

or atrazine (Ferguson and Korte 1977; Radosevich et al. 1995). In addition to their

potential metabolic diversity, strains of Streptomyces may be well suited for soil

inoculation as a consequence of their mycelial growth habit, relatively rapid rates of

growth, colonization of semi-selective substrates, and their ability to be genetically

manipulated (Shelton et al. 1996). One additional advantage is that the vegetative

hyphal mass of these microorganisms can differentiate into spores that assist in

spread and persistence.

Recent studies demonstrate significantly enhanced dissipation and/or mineraliza-

tion of persistent organic pollutants (such as organochlorine pesticides; Kidd et al.

2008) at the root–soil interface or rhizosphere (rhizodegradation) (Kuiper et al. 2004;

Chaudhry et al. 2005; Krutz et al. 2005). This rhizosphere effect is generally

attributed to an increase in microbial density, diversity and/or metabolic activity

due to the release of plant root exudates, mucigel, and root lysates (Curl and Truelove

1986). A summary of potential root zone carbon sources is given in Table 10.1.

Rhizodeposits not only provide a nutrient-rich habitat for microorganisms but

can potentially enhance biodegradation in different ways: they may facilitate the
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co-metabolic transformation of pollutants with similar structures, induce genes

encoding enzymes involved in the degradation process, increase contaminant bio-

availability, and/or selectively increase the number and activity of pollutant degraders

in the rhizosphere (Schnoor et al. 1995; Burken and Schnoor 1998; Miya and

Firestone 2001; Shaw and Burns 2003).

The objective of this chapter is to study the bioremediation capacity of indige-

nous actinomycete strain and the effect of root exudates of Zea mays on this

process.

10.2 Lindane Removal by Streptomyces sp. M7 in a Soil

Extract Medium

Benimeli et al. (2007a) studied the growth of Streptomyces sp. M7 in a soil extract

medium (SE) with and without lindane addition. Carbon and nitrogen composition

of SE were 0.5 and 0.01 g L�1, respectively. Nevertheless and despite the poor

organic matter in SE, Streptomyces sp. M7 was able to grow in this medium for

limited time.

When the effect of the temperature (25, 30, and 35 �C) on the growth of

Streptomyces sp. M7 in SE was analyzed, it was observed that 25 �C was the

optimal temperature of microbial growth. When Streptomyces sp. M7 was cultured

in SE supplemented with lindane 100 mg L�1, at different incubation temperatures

(Fig. 10.1), a maximum growth of 0.11 mg mL�1 was observed at 25 �C. Significant
differences in the biomass were not observed at 30 and 35 �C. These results would
indicate that the optimal temperature for the growth of Streptomyces sp. M7 in SE,

in presence as well as in absence of the pesticide, is 25 �C.
It is important to observe that the presence of lindane in culture medium did not

inhibit the growth of Streptomyces sp. M7, since significant differences in bacterial

growth in SE with and without the pesticide were not observed (p > 0.05). Similar

results were obtained previously (Benimeli et al. 2007b), when Streptomyces sp.
M7 was cultured in minimal medium supplemented with lindane 100 mg L�1,

Table 10.1 Chemical compound observed in plant root exudates and extracts

Compound Examples References

Sugars Glucose, xylose, mannitol, maltose,

oligosaccharides

Pandya et al. (1999) and Curl

and Truelove (1986)

Amino acids Glutamate, isoleucine, methionine,

tryptophan

Pandya et al. (1999)

Aromatics Benzoate, phenols, l-carvone,
limonene, p-cymene

Hegde and Fletcher (1996) and Tang

and Young (1982)

Organic acids Acetate, citrate, malate, propionate Curl and Truelove (1986)

Enzymes Nitroreductase, dehalogenase,

laccase

Schnoor et al. (1995)

Adapted from Rentz et al. (2005)

10 Pesticides Removal Using Actinomycetes and Plants 229



suggesting that the pesticide could not be toxic for this microorganism and that

would not either be accumulated toxic intermediary metabolites that had an

inhibiting effect on the growth.

Streptomyces sp. M7 was able to grow in SE over a relatively wide range of initial

pH. No significant differences were observed when the microorganism was cultured

at initial pH of 5, 7, or 9 (p > 0.05). When Streptomyces sp. M7 was cultured in SE

added with lindane 100 mg L�1, at different initial pH, a maximum growth of

0.06 mg mL�1 was observed at pH 7; nevertheless, the microorganism was not

able to grow at pH 5 and 9 (Fig. 10.2). The obtained results would indicate that the

optimal initial pH for the growth of Streptomyces sp. M7 in SE with lindane is 7.

Figure 10.3 shows the impact of the incubation temperature on the lindane

removal by Streptomyces sp. M7. The maximum lindane removal was 70.4 %

when the microorganism was incubated in SE at 30 �C. Although the optimum

temperature for Streptomyces sp. M7 growth, with and without lindane, was 25 �C,
the optimal temperature for the pesticide removal was 30 �C.

Bachmann et al. (1998) reported that temperature of 30 �C was most favorable

for the biodegradation of lindane in soil slurry by the mixed native microbial

population of the soil. Arisoy and Kolankaya (1997) observed that the suitable

incubation temperature for maximum growth and degradation activity of lindane by

the fungus Pleurotus sajor-caju was 30 �C. Manonmani et al. (2000) also observed

the degradation of the g-HCH isomer by a microbial consortium under a wide range

of temperatures (4–40 �C) in a liquid culture medium, and 30 �C was the optimum

for g-HCH degradation. Siddique et al. (2002) obtained similar results studying the

effect of incubation temperature in the biodegradation of lindane by Pandoraea sp.;
an incubation temperature of 30 �C was optimum for degradation of g-HCH
(57.7 %) in liquid culture and soil slurry (51.9 %).

The effect on lindane removal by Streptomyces sp. M7 in SE at initial pH of 5, 7,

and 9 is presented in Fig. 10.4. Removal of pesticide (47.2 and 38.0 %) was observed
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Fig. 10.1 Effect of temperature on the bacterial growth of Streptomyces sp. M7 in SE medium

amended with lindane 100 mg L�1. 25 �C (filled squares), 30 �C (filled circles), and 35 �C (filled
inverted triangles). Bars represent standard deviations
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at initial pH of 5 and 9, respectively, at 28 days of incubation. The highest removal

ability of Streptomyces sp. M7 (70.4 %) was noted at an initial pH ¼ 7 at 28 days of

incubation. The fate of organic pollutants in the environment is influenced by

environmental factors, such as pH and temperature, affecting the activity of

microorganisms. Streptomyces sp. M7 was able to remove lindane over a wide

range of pH in SE.

Arisoy and Kolankaya (1997) reported that medium pH ¼ 5 was the optimum

for both growth and degradation activity of lindane by the fungus Pleurotus sajor-
caju. Manonmani et al. (2000) examined the influence of pH on the degradation of
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Fig. 10.2 Effect of pH on the bacterial growth of Streptomyces sp. M7 in SE amended with

lindane 100 mg L�1. pH 5 (stars), pH 7 (filled triangles), and pH 9 (filled diamonds). Bars represent
standard deviations
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Fig. 10.3 Effect of temperature on the lindane removal by Streptomyces sp. M7 in SE amended

with lindane 100 mg L�1. 25 �C (filled squares), 30 �C (filled circles), and 35 �C (filled inverted
triangles). Bars represent standard deviations
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the g-HCH isomer in a basal mineral medium by an acclimated consortium of

microorganisms. They found that a pH range of 6–8 was most favorable for growth

and degradation of the pesticide. Siddique et al. (2002) reported that Pandoraea
species showed the highest degradation of a- and g-HCH at an initial pH of 8 in

broth culture.

10.3 Lindane Removal by Streptomyces sp. M7 in Sterile Soil

Samples

Benimeli et al. (2008) studied the growth of Streptomyces sp.M7 in sterile soil samples

by adding different lindane concentrations in 4 weeks. Simultaneously, lindane

removal by Streptomyces sp. M7 was determined by gas chromatography; similar

experiments were carried out without lindane as controls. As shown in Fig. 10.5, the

cell concentration increased during incubation and significant differences in the growth

were not observed at different lindane concentrations added, as in the control without

lindane. These results would indicate that the growth of Streptomyces sp. M7 in soil

was not affected by the lindane concentrations assayed, suggesting that the microor-

ganism could tolerate or may degrade the pesticide by producing the necessary

dehalogenase enzymes as was demonstrated by Nagata et al. (1999) for Sphingomonas
paucimobilis UT26.

Influence of different initial concentrations of lindane on pesticide removal was

evaluated by determining residual lindane in the soil samples. At initial lindane

concentrations of 100, 150, 200, and 300 mg kg�1, removal of pesticide after 4-week

incubation was 29.1, 78.0, 38.8, and 14.4 %, respectively. Lindane concentrations

in uninoculated control soils were unchanged after 4 weeks of incubation. This

inhibition in the removal ability of Streptomyces sp. M7 could be due to the toxicity

of metabolites, which might have former but not detected in this study by the
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methods employed. For demonstrating that, it could be necessary to measure the

intermediary metabolites of lindane degradation as was determined by Nagata et al.

(1999) for Sphingomonas paucimobilis UT26.
Awasthi et al. (2000) found that at low initial concentrations of endosulfan in

soil (50 and 100 mg g�1 soil), the degradation was very rapid in inoculated soils;

at higher concentrations, the degradation rates were slower, leading to a total

inhibition of the degradation activity at the initial concentration of 10 mg g�1.

Similar findings were reported by Okeke et al. (2002), who studied the ability of a

Pandoraea sp. strain to remove lindane in liquid and soil slurry cultures. Their

results indicated that the rates and extent of lindane removal increased with

increasing concentrations up to 150 mg L�1 but declined at 200 mg L�1, after

4–6 weeks of incubation. However, in a similar study, Liu et al. (1991) found

opposite results when they inoculated a Streptomyces sp. strain in sterile soil

samples spiked with metolachlor and observed that the amount of residual

metolachlor was higher at lower herbicide concentrations, after 1-week incubation.

This result indicates that Streptomyces sp. M7 could remove lindane from soil

but at limited pesticide concentration and the viable bacterial count of the soil

culture indicated growth and survival of Streptomyces sp. M7. This is not surprising

because the soil contains available organic nutrients that the bacteria may prefer for

growing. Then, lindane could be used as a secondary substrate source as it was

demonstrated previously by Benimeli et al. (2007b) in culture medium where

glucose at limited concentration was added.

To arrive at the optimal number of bacterial cells for effective removal of

lindane, the influence of different inoculum sizes (0.5–4.0 g kg�1 ww soil) was

studied in sterile soil samples with lindane 100 mg kg�1 ww soil (Fig. 10.6). 28 days

after inoculation with different Streptomyces sp. M7 concentrations into lindane-

amended autoclaved soil, the cell population increased rapidly in 2 weeks and was

followed by a stationary phase from 2 to 4 weeks. This growth profile was observed

for all assayed bacterial concentrations and was similar in contaminated as well as

non-contaminated soil samples. These results reinforce the hypothesis according to
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which lindane concentrations present in soil were not toxic for Streptomyces sp.

M7. The inoculum 2 g cells kg�1 soil (ww) significantly led the maximum bacterial

count (9.0 � 1012 CFU kg�1 ww of soil).

A substantial decline of the residual lindane at different inoculum concentrations

was observed within 0–2 weeks of incubation, whereas the compound did not

disappear from the uninoculated sterile control. However, the percentage of lindane

removal was not entirely proportional to the amount of Streptomyces sp. M7

initially added to the soils, indicating that the two parameters are not in direct

proportion. Maximal pesticide depletion (56.0 %) was observed at 2 g cells kg�1

soil (ww) and thereafter decreased at 4 g cells kg�1 soil (Table 10.2).

In a similar work, Liu et al. (1991) found that approximately 80% of the pesticide

metolachlor was transformed in a sterile soil inoculated with a Streptomyces sp.

strain after 1 week of incubation; however, the rate of metolachlor transformation

was not proportional to the inoculum size. Kumar-Ajit et al. (1998) studied the

inoculation of 3-chloro and 4-chlorobenzoate-treated sterile soil with a

chlorobenzoate-degrading Pseudomonas aeruginosa 3mT; they probed three inocu-

lum sizes (1, 2, and 4 mg cells kg�1 soil), and these were effective in degrading the
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Fig. 10.6 Effect of inoculum size on the growth of Streptomyces sp. M7 in sterile soil samples,

during 4 weeks of incubation. Symbols used: (triangles) 0.5 g kg�1 soil, (stars) 1.0 g kg�1 soil,

(open squares) 2.0 g kg�1 soil, and (open circles) 4.0 g kg�1 soil

Table 10.2 Effect of inoculum size on the lindane removal by Streptomyces sp. M7 in sterile soil

samples, after 4 weeks of incubation. Lindane initial concentration: 100 mg kg�1 ww soil

Inoculum size g kg�1 soil (ww) Lindane removal (%)

0.5 24.4

1.0 30.8

2.0 56.0

4.0 53.6
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chemical in the soil, but the degradation was faster with a larger inoculum. On the

other hand, Johri et al. (2000) found that an increase in the inoculum size of

Sphingomonas paucimobilis resulted in an increase in the degradation rate of the

HCH isomers in the culture medium, indicating that the two parameters are in direct

proportion.

10.4 Bioremediation of Lindane-Contaminated Soil Samples

by Streptomyces sp. M7 and Effect of Pesticide

on Maize Plants

Nonsterile soil spiked with lindane 100 mg kg�1 was inoculated with 2 g kg�1

Streptomyces sp. M7, and after 14 days incubation, Zea mays seeds were grown in

this soil. Concentrations of residual lindane in soil were monitored periodically to

assess the effectiveness of the inoculated strain in the bioremediation of the soil.

A strong decrease in the residual concentration of added lindane was observed in

Streptomyces sp. M7-inoculated soil. After 14 days of incubation, 68 % of lindane

was removed (Fig. 10.7). There were no evident changes in the concentration of the

pesticide in the uninoculated soil, indicating that the native microorganisms were

not involved into the pesticide removal.

In soil bioremediated with Streptomyces sp. M7, normal germination (100 %)

and an increased in the seedling vigor were observed, compared to the control

maize seeds (Table 10.3). It is possible that the pesticide was removed by the
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Fig. 10.7 Removal of 100 mg kg�1 of lindane by Streptomyces sp. M7 in non-sterile soil samples,

during 4 weeks of incubation. 2.0 g cells (ww) kg�1 soil was added as inoculum. Symbols used:
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inoculated microorganism before seed germination began and the involvement of

indigenous microflora capable of metabolizing lindane was not observed.

In a similar study by Krueger et al. (1991), soybean and pea seedlings suscepti-

ble to the herbicide dicamba were protected from its deleterious effect by

inoculating soils with dicamba-degrading microorganisms. Kumar-Ajit et al.

(1998) demonstrated that chlorobenzoates adversely affect the seed germination

and seedling vigor of tomato. However, the bioremediation of the soil with Pseu-
domonas aeruginosa 3mT protected the tomato seeds, resulting in the normal

germination and seedling vigor. Bidlan et al. (2004) observed that the effect of

tech-HCH on germinating radish and green gram seeds was nullified by treatment

of contaminated soil with a HCH-degrading microbial consortium.

Although no maize plant growth promotion was observed when Streptomyces sp.
M7 was inoculated into the contaminated lindane soil samples, the fact that this

pesticide can be removed and therefore its uptake by the plant into biomass could be

lowered, avoiding the contamination through the food chain. The low water solu-

bility and high hydrophobicity of lindane make their uptake and translocation

within the plant unlikely (Kidd et al. 2008).

10.5 Lindane Removal by Streptomyces sp. M7 Cultured

on Medium Amended with Root Exudates of Maize

Root exudates are products released in the root zone of plants with significant levels

of carbon (and possibly nitrogen). The exudates are likely to favor fast-growing

microbes, provided they have the corresponding metabolic abilities. In this context,

Alvarez et al. (2010; Alvarez et al. 2012) studied the growth of Streptomyces sp. M7

in minimal medium supplemented with root exudates of maize and/or glucose

(0.8 g L�1) and spiked with lindane (1.66 mg L�1). Cultures were incubated at

30 �C at 150 rpm for 7 days. Similar experiments were carried out without lindane

as controls. Root exudates were collected from solution cultures of maize according

to Luo et al. (2006). Exudates were lyophilised and stored at 4 �C until sample

processing.

Regarding composition, carbohydrate and organic carbon of root exudates were

41.6 mg g�1 and 40 mg g�1, respectively. The highest level of pesticide removal

Table 10.3 Growth, seed germination, and seedling vigor of maize seeds in lindane

bioremediated soil by Streptomyces sp. M7

Control Treateda Bioremediatedb

Root (cm) 14.2 � 4.7 15.4 � 3.9 16.0 � 2.8

Shoot (cm) 5.3 � 1.1 5.1 � 1.1 5.3 � 1.0

Leaves (cm) 13.7 � 2.1 14.7 � 2.1 14.0 � 1.5

Germination (%) 100.0 84.0 100.0

Vigor index 195.0 � 6.0 172.0 � 5.0 213.0 � 4.0
aSoil treated with g-HCH (100 mg kg�1 soil)
bSoil treated with g-HCH (100 mg kg�1 soil) and bioremediated with Streptomyces sp. M7

(2 g kg�1 soil)
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was obtained when Streptomyces sp. M7 was cultured in presence of root exudates

(Table 10.4). In contrast, although biomass production was highest in the glucose

treatment, the percentage of lindane removal under this condition was lower.

An increase in degradation of a wide range of organic pollutants was observed as

result of modified microbial activity in the rhizosphere of several plants (Pandya

et al. 1999;White 2001; Chekol et al. 2002; Corgié et al. 2003;Muratova et al. 2003;

Shaw and Burns 2005; Phillips et al. 2005). Enhanced transformation of the explo-

sive trinitrotoluene (TNT) by the forage grasses Phalaris arundinacea and Panicum
virgatum was shown by Chekol et al. (2002). Concentrations of the organochlorine

p,p0 DDE (2,2-bis (p-chlorophenyl) 1,1-dichloroethylene), a metabolite of DDT,

were significantly reduced in the rhizosphere of field-grown zucchini, pumpkin, and

spinach compared to bulk soil (White 2001). In contrast, phenanthrene-degrading

activity of Pseudomonas putida ATCC 17484 was repressed after incubation

with plant root extracts (Rentz et al. 2004, 2005). However, these authors suggested

that the enhanced microbial growth on rhizodeposits is likely to compensate for

this partial repression since a larger microbial population leads to a faster degrada-

tion rate.

Little is known about the mechanisms involved in interaction of root exudates

with bacteria. In this respect, Chen and Aitken (1999) and Hegde and Fletcher

(1996) found that terpenes (such as cymene, a-pyrene, and a-terpinene) and

phenolics (such as salicylate) released by roots of certain plants induced biphenyl

dioxygenase in polychlorinated biphenyls-degrading bacteria. It could be possible

that root exudates of maize enhanced removal of lindane by Streptomyces sp. M7 by

means of a similar mechanism.

10.6 Lindane and Metabolite Determination in Cell-Free

Extract by GC-Mass Spectrometry Analysis

The first signs of the aerobic lindane degradation were determined by Nagata et al.

(1999). It was demonstrated that Sphingobium japonicum UT26 possesses a

dechlorinase enzyme, LinA (g-hexachlorocyclohexane dehydrochlorinase, EC 4.5.1),

encoded by the linA gene that catalyzes two dehydrochlorination steps: g-HCH
to 1,3,4,6-tetrachloro-1,4-cyclohexadiene (1,4-TCDN) via g-pentachlorocyclohexene

Table 10.4 Biomass production and lindane removal by Streptomyces sp. M7 after 7 days of

growth on minimal medium supplemented with different carbon sources

Carbon source Biomass productiona (g L�1 � SD) Lindane removalb (% � SD)

Lindane þ exudates 0.6 � 0.1 30.7 � 0.7

Lindane þ glucose 1.0 � 0.1 10.4 � 1.2

Lindane 0.1 � 0.03 18.5 � 1.7

Exudates 0.3 � 0.2

Glucose 1.4 � 0.2

SD standard deviation
aDry weight
bLindane initial concentration: 1.66 mg L�1
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(g-PCCH). In addition to g-HCH and g-PCCH, a- and d-isomers of HCH were also

dehydrochlorinated by LinA, whereas b-HCH was not (Nagata et al. 1993). Further-

more, it was experimentally confirmed that dehydrochlorination of g-HCH proceeds by

a 1,2-ante dehydrochlorination reaction (Nagata et al. 2007).

Regarding the environmental problems caused by lindane and the current lack of

information about the presence of dechlorinase activity in Streptomyces, the aim of

this point was to demonstrate, for the first time, a specific dechlorinase activity in

Streptomyces using lindane as substrate. In order to determine lindane and

metabolites in cell-free extract of Streptomyces sp. M7, the strain was grown in flasks

with 250 mL of MM containing g-HCH 100 mg mL�1 and incubated at 30 �C at

100 rpm for 48 and 96 h. At the beginning of the experiment, the inoculumwas 150 ml
of concentrated spore suspension (109 CFU mL�1). Supernatants were extracted by

solid phase extraction (SPE) using C18 columns, evaporated to dryness under

reduced pressure, and the residue was resuspended in hexane. Routine quantitative

determinations of lindane (g-HCH) g-pentachlorocyclohexene (g-PCCH) and

1,3,4,6-tetrachloro-1,4-cyclohexadiene (1,4-TCDN) were carried out with gas chro-

matograph-micro-electron capture detection (GC-mECD) (Cuozzo et al. 2009).

The gas chromatography results of the cell-free extracts obtained at 48 and 96 h

of growth of Streptomyces sp. M7 revealed the appearance of g-PCCH (Rt 6.26 min)

and 1,4-TCDN,(Rt 5.29 min), the first and second product of the lindane catabolism

by the specific dechlorinase in the catabolic way proposed by Nagata et al. (2007).

The relative abundance of g-PCCH and the 1,4-TCDN increased one and half times,

at 96 h compared to 48 h of growth (Table 10.5).

However, these results indirectly demonstrated the presence of one specific

enzyme in the lindane degradation way from Streptomyces sp. M7. It is the first report

on dehalogenase activity in actinomycetes with lindane as specific substrate. This has

only been reported in Sphingomonas (Nagata et al. 2007; Normand et al. 2007)

detected a putative 2,5-dichloro-2,5cyclohexadiene-1,4-diol dehydrogenase

(2,5-DDOL dehydrogenase) in Frankia. Genetic studies of this strain are necessary

for a proper understanding of the principle of its ability to degrade different

chlorinated hydrocarbon compounds.

Table 10.5 Relative abundance analysis by GC-Mass of g-HCH and intermediates g-PCCH and

1,4-TCDN during aerobic degradation of g-HCH by Streptomyces sp. M7

Lindane and

metabolites Retention time (min) Relative abundancea

Cell-free extract at 0 h g-HCH 7.78 732,750.96 � 1,041.37

Cell-free extract at 48 h g-HCH 7.78 674,895.41 � 1,961.84

g-PCCH 6.26 38,270.56 � 650.79

1,4-TCDN 5.29 14,795.47 � 451.97

Cell-free extract at 96 h g-HCH 7.78 561,952.29 � 2,310.10

g-PCCH 6.26 70,372.05 � 3,268.05

1,4-TCDN 5.29 25,988.30 � 992.09
aThe relative abundance is referred to the ions of different atomic or molecular mass (mass-

to-charge ratio) within a sample. It frequently refers to the measured relative abundances of

isotopes of a given element
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10.7 Conclusions and Perspectives

The review clearly suggests that Streptomyces sp. M7 has the capacity to grow in a

soil extract broth, a nutritionally poor medium, in the presence of lindane, and to

remove the pesticide. Since streptomycetes are metabolically diverse and relatively

resistant to adverse conditions that may occur in the soil environment, Streptomyces
sp. M7 could be considered as attractive targets for lindane degradation in situ. In

addition, the development of bioremediation processes using indigenous

microorganisms is advantageous, as strains isolated are already adapted to the

substrate, and to local soil and climatic conditions, and regulatory and legislation

issues are simpler, compared to the introduction and release of exogenous

microorganisms and genetically modified organisms into the environment. On the

other hand, Streptomyces sp. M7 bioremediation activity is not inhibited by the

natural soil microbial flora. Moreover, Streptomyces sp. M7 growth was not

inhibited by 300 mg kg�1 of lindane.

Regarding the use of plants (or their products) for the treatment of contaminated

sites, preliminary results suggest that Streptomyces sp. M7 was stimulated by the

root exudates of maize amended to the culture. In this context, phytostimulation

may be a promising strategy for the remediation of HCH-contaminated soils. It is

important to continue these studies not only at the laboratory but also in field trails

in order to evaluate the potential of Streptomyces sp. M7 in the bioremediation of

natural habitats. Further studies evaluating the soil–plant–microbe system and its

influence on HCH biodegradation are necessary so as to better explore and exploit

an undoubtedly huge potential.
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Chapter 11

Mycoremediation of Heavy Metals

Younes Rezaee Danesh, Mehdi Tajbakhsh, Ebrahim Mohammadi Goltapeh,

and Ajit Varma

11.1 Introduction

Heavy metal pollution of soils is one of the most serious problems of present day

agriculture which negatively affects both crop yields and quality. Heavy metal

pollution results by the disposal of concentrated metal wastes. When the large

adverse effects of emissions of heavy metals from smelters on surrounding

ecosystems were observed in the 1960s–1970s, then it was realized that how

severely soil microorganisms and soil microbial processes can become disrupted

by elevated metal concentrations. Extreme metal contamination in the vicinity of

smelters caused clearly visible effects such as accumulation of deep layers of

organic matter on the soil surface through inhibition of the activity of soil

microorganisms and soil fauna (Freedman and Hutchinson 1980). When measures

to limit the metal loading rates of soils due to the use of sewage sludge in

agriculture were first introduced in many European countries during the 1970s,

these limits were focused on protecting against negative effects on crop plants, on

animals grazing on land to which sewage sludge had been applied and to protect
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man from metal exposure through the food chain. It was not until 20 years later that

the effects of elevated heavy metal concentrations on soil microorganisms were

taken into consideration in the drafting of legislation to regulate the agricultural use

of sewage sludge (Witter 1992). EU mandatory limits were also established to

prevent the buildup of metal concentrations in agricultural soils. Several heavy

metals are presently emitted in great quantities as a result of human activities.

Heavy metals (HM) occur mainly in terrestrial aquatic ecosystem as well as they

can be also emitted in to the atmosphere. Man-made soil contamination resulting

from mining industry, agricultural, and military activities resulting in high local

concentration varies in orders of magnitudes, but on average the concentrations

were not marked, whereas in polluted soil dramatically higher concentrations were

found. Since HM are not biodegradable and many enter the food chain, they are a

long-term threat to both the environment and human health. Metalliferous soils with

abnormally high concentrations of some of the elements that are normally present

as minor constituents (200–2,000 mg/kg, e.g., Mn) or trace constituents

(0.01–200 mg/kg, e.g., Zn, Cu, Ni, Cr, Pb, As, Co, Se, and Cd) vary widely in

their effects on plants. These effects depend on plant species, the particular assem-

blage of enriched elements, and the physical and chemical characteristics of the soil

(Reeves 2006). There are some extreme examples of soils being toxic to almost all

species of higher plants, whereas in other cases a characteristic flora of metal-

tolerant species may develop (Reeves 2006).

11.2 Toxicity of Heavy Metals

Heavy metals are toxic because of their ionic properties. They bind to many cellular

ligands and displace native essential metals from their normal binding sites

(Wittekind et al. 1996). For example, arsenate can replace phosphate in the cell.

Metals also disrupt protein by binding to sulfhydryl groups and nucleic acids by

binding to phosphate or hydroxyl groups. As a result, protein and DNA

conformations are changed, and their function is disrupted (Bruce et al. 2003).

For example, cadmium competes with cellular zinc and nonspecifically binds to

DNA, inducing single-strand breaks (Alloway 1995). Metals may also affect

oxidative phosphorylation and membrane permeability, as seen with vanadate and

mercury (Muller et al. 2001). Microorganisms generally use specific transport

pathways to bring essential metals across the cell membrane into the cytoplasm.

Toxic metals can also cross membranes via diffusion or via pathways designed for

other metals (Konopka et al. 1999). For instance, Cd2þ transport occurs via the

Mn2þ active transport system in Staphylococcus aureus. These metal–microbe

interactions result in decrease microbial growth, abnormal morphological changes,

and inhibition of biochemical processes in individual (Akmal et al. 2005a, b). The

toxic effects of metals can be seen on a community level as well. In response to

metal toxicity, overall community numbers and diversity decrease. Soil is a living

system where all biochemical activities proceed through enzymatic processes.

Heavy metals have also adverse effects on enzyme activities.
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11.3 Heavy Metal–Microbe Interactions

Microbial communities in soil are extremely diverse, with estimates of as on

ecological systems, experimental evidence to demonstrate such a link is scarce.

Microbial biomass which represents the living component of the organic matter of

soil usually makes up less than 5 % of soil organic matter (Dalal 1998), but it carries

out many critical functions in the soil ecosystem. Microbial biomass is both a

source and sink for nutrients in the soil. It participates in the C, N, P, and S

transformations and plays an active role in the degradation of xenobiotic organic

compounds. It also helps in the mobilization and immobilization of heavy metals

and participates in the formation of soil structure, etc. (Nannipieri et al. 2002).

As soil microorganisms play a vital role in maintaining soil productivity, thus,

anything that disrupts these microorganisms and their functions in soil could be

expected to affect the long-term soil productivity and sustainability and even the

ecosystem stability. The associated heavy metal can affect the bioavailability of the

metal in question by additive, synergistic, or antagonistic effects. These interactions

can be positive, negative, or nonexistent. However, the gross microbial biomass and

activity measurements seldom indicated whether the observed effects were due to

changes in species composition or to reduced physiological capacities of the

microbial community (Frostegard et al. 1996; Knight et al. 1997). Studies, using

the plate count techniques, have demonstrated a shift in the composition of fungal

species toward a more metal-tolerant community in the metal-contaminated soils

(Yamamoto et al. 1985; Ueda et al. 1988). Usually a decrease in the commonly

isolated genera as Penicillium, Oidiodendron, andMortierella spp. was observed in
the metal-polluted soils by Nordgren et al. (1983). Others, such as Geomyces and
Paecilomyces, increased in abundance toward the metal source. Penicillium spp.

were mostly dominant in soils polluted by copper mine drainage (Yamamoto et al.

1985). Like fungi, soil bacteria also vary in their sensitivity to the metal pollution.

There have been reports of effects on the bacterial community composition, gener-

ally showing an increase in Gram-negative bacteria in metal-contaminated soils

(Zelles et al. 1994). An exception to this has been reported by Ross et al. (1981),

who observed that Gram-negative bacteria were slightly more sensitive to Cr than

Gram-positive ones. Since bacteria were seldom identified up to species level,

conclusions on the effects of metals on bacterial species are hard to be drawn

(Frostegard et al. 1996). Generally, the degree of tolerance of microorganisms to

metal pollutants determines the dominance of particularly competitive species,

whereas moderate stresses may decrease the likelihood of competitive exclusion.

Fewer studies have attempted to examine more subtle effects of heavy metal

pollution on the structure of microbial communities or on the genetic diversity of

particular groups of organisms. Most of the studies used a physiological approach in

which the ability of the bacterial microbial community to utilize a variety of

substrates was tested to compare the relative activities of different groups of

microorganisms, and this ability has been related to metal tolerance (Reber 1992;

Doelman et al. 1994). These studies have served to highlight the subtle effects of
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heavy metals on the soil microbial community. Evidence from the field experiments

suggests that under long-term metal stress, a change in the genetic structure of the

soil microbial community is produced (Amann et al. 1996). A decrease in the total

soil microbial biomass under chronic metal stress has been observed in many field

experiments but is likely to be preceded by changes in community structure

(Kozdroj and van Elsas 2000). A decreased size of the microbial biomass could

at least partially be explained by physiological causes such as a decrease in the

microbial substrate utilization efficiency, and an increased maintenance energy

require varies in the order: fungi > bacteria > actinomycetes (Frostegard et al.

1993). A decrease in bacterial number within 24 h of incubation in a Zn-spiked soil

was observed by Ohya et al. (1985). In contrast, Frostegard et al. (1996) reported an

increase in the overall fungal populations in the Cr- or Zn-contaminated soil.

Therefore, metal pollution of soils often results in an increase in the fungal to

bacterial ratio in soils (Hattori 1992). Genetic diversity is always present within

species and may be crucial in determining the response of a population to changing

conditions (Young 1994). A decrease in the number of substrates which can be

utilized and thus a reduction in the efficient exploitation of all ecological niches

may also explain the decrease in the size of the biomass.

11.3.1 Biosorption of Heavy Metals

Microorganisms have the ability to bind metals from aqueous solution. This

phenomenon is known as biosorption, and the microorganisms responsible for the

process are considered biosorbents. A wide variety of living and dead biomass of

bacteria, algae, fungi, and plants is capable of sequestering toxic metals. This is the

foundation of biosorption technology, which offers a promising and economical

alternative for the treatment of discharges of a wide variety of metal-containing

industrial effluents. Conservative estimates of new biosorbents in the North

America environmental market amount to $27 million per year (Volesky 2001).

Yeasts and fungi are unique in metal biosorption, and this process is known as

mycosorption. The fungal biomass used in mycosorption is termed mycosorbent.

Mycosorption is a topic of great interest for researchers all over the world (Paknikar

et al. 1998; Tobin 2001; Malik 2004). The process of biosorption and

bioaccumulation of metals by microorganisms is not new. The accumulation of

metals by fungi has received more attention in recent years because of its

applications in environmental protection and recovery of metals. The biological

removal of metals from solutions can be divided into three categories:

(1) biosorption of metal ions on the surface of fungi, (2) intracellular uptake of

metal ions, and (3) chemical transformation of metal ions by fungi. Living fungal

biomass is required in the last two categories. Nonliving fungal biomass does not

depend on requirements for growth, metabolic energy, and transport. In addition,

nonliving biomass shows a strong affinity for metal ions due to the lack of protons

produced during metabolism. The problem of toxicity of metals does not affect this
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type of biomass, which is seen as one of the major advantages of biosorption.

Fungal biomass can be generated as a waste by-product of large-scale industrial

fermentation and is pretreated by washing with acids and/or bases before final

drying and granulation. All these factors contribute to reducing the final cost of the

process. Biosorption is a pseudo-ion-exchange process in which metal ion is

exchanged for a counterion in the biomass or resin. In general, the filamentous

fungi possess higher adsorption capacities for heavy metal removal. Aquatic fungi

are also known to accumulate heavy metals. Uptake of metals was described by

Michelot et al. (1998), and a tentative approach related to mechanisms of

bioaccumulation in mushrooms was projected. The marine fungi Corollospora
lacera andMonodictys pelagica have been found to accumulate lead and cadmium

extracellularly in mycelia (Taboski et al. 2005). Biosorption involves a number of

external factors (e.g., type of metal, ionic form in solution, and the functional site)

and tends to be exothermic. Other factors, such as pH, temperature, biomass

concentration, type of biomass preparation, initial metal ion concentration and

metal characteristics, and concentration of other interfering ions, are also important

in evaluating the extent of biosorption. Biosorption and recovery can be intensified

in the presence of stirring induced by magnetic field (Gorobets et al. 2004).

11.3.2 Fungal Heavy Metals Biosorption

Biosorption consists of several mechanisms that differ according to the fungal

species used, the origin of the biomass, and its processing. These mechanisms

include ion exchange, chelation, adsorption, crystallization, and precipitation,

followed by ion entrapment in inter- and intrafibrillar capillaries, spaces of the

polysaccharide material, and diffusion through the cell wall and membranes of

fungi. Cell walls of fungi are composed of chitins, chitosans, and glucans and also

contain proteins, lipids, and other polysaccharides. Yeast cell walls consist mainly

of glucans and an outer layer of mannoprotein. Precipitation can occur in the cell

wall components. The biomass usually contains a larger number and variety of

functional groups or sites than those in monofunctional group ion-exchange resins.

These sites include carboxyl, sulfate, phosphate, hydroxyl, amino, imino, sulfonate,

imidazole, sulfhydryl, carbonyl, thioether, and other moieties. Certain fungal spe-

cies are more effective and selective than others in removing particular metal ions

from solution. The mechanisms of fungal biosorption can be divided into two

categories: metabolism independent and metabolism dependent. The first category

employs live or dead biomass, and the second category transforms the metal

internally coupled with the production of extracellular metabolites. The

mechanisms of fungal biosorption are a topic of great interest to many authors;

however, significant differences are recognized in the biosorbent mechanisms of

fungal biomass. Electron microscopy, X-ray energy diffraction analysis, and infra-

red (IR) spectroscopy are also used to study binding mechanisms. The amino group

of the cell walls of Rhizopus nigricans is involved in Cr(VI) binding from solution

11 Mycoremediation of Heavy Metals 249



and from wastewater (Bai and Abraham 2002). Chemical modification increases the

number of active binding sites on the surface area that enhances the chromium

adsorption capacity. The amine functional groups ofMucor cell walls also contrib-

ute to the removal of chromium from tanning effluent (Tobin and Roux 1998).

Fourier transform infrared (FTIR) spectroscopic analysis reveals the involvement

of �COOH groups of acetone-washed yeast biomass in lead biosorption

(Ashkenazy et al. 1997). The �COOH groups also contribute to the binding sites

of metals in the cell walls ofMucor rouxii (Gardea-Torresdey et al. 1996). Electron
microscopy, X-ray energy diffraction analysis, and IR spectroscopy reveal three

hypotheses of the mechanism of lead uptake (Zhang et al. 1998). NaOH-treated and

NaOH-untreated biomass establish that biosorption occurs in the chitin structure of

cell walls. Electron microscopy reveals the localization of nickel on the cell surface

of Rhizopus sp. (Mogollon et al. 1998). Transmission electron microscopy (TEM)

shows that Pb(II) is associated in the cell wall and membrane after 3 min and

cytoplasm after 2 h in Saccharomyces cerevisiae (Suh et al. 1998). A three-step

mechanism of Pb(II) accumulation is advocated. The first step is metabolism

independent, the second step is metabolism dependent, and the third step is metab-

olism dependent or independent after 24 h. Two mechanisms govern the removal of

Cr(VI) from the aqueous solution by dead biomass of Aspergillus niger (Park et al.

2005). During mechanism I, Cr(VI) is reduced directly to Cr(III) by contact with the

biomass. Mechanism II consists of three steps: the binding of Cr(VI) to positively

charged groups in the cell wall, reduction of Cr(VI) to Cr(III) by adjacent functional

groups, and release of Cr(III) by electron repulsion. Fungi can remove both soluble

and insoluble metals from solution and can leach metals from solid wastes. Fungi

produce protons, organic acids, phosphatases, and other metabolites for solubiliza-

tion. Many heterotrophic fungi produce organic acids that assist in solubility and

complexing of metal cations. Several fungi are known to produce large amounts of

different kinds of acids that assist in metal leaching purposes. Oxalic acid is a

leaching agent for a variety of metals, such as Al, Fe, and Li, forming soluble metal

oxalate complexes. Metal oxalates are also produced by a wide range of fungi,

including mycorrhizas and lichenicolous fungi. The white-rot fungi Bjerkandera
fumosa, Phlebia radiata, and Trametes versicolor and the brown-rot fungus

Fomitopsis pinicola produce oxalate crystals in high levels on ZnO, Co3(PO4)2,

and CaCO3 (Jarosz-Wilkolazka and Gadd 2003). In brown-rot fungi, induction of

oxalic acid is related to copper tolerance (Green and Clausen 2003). Brown-rot

fungi can maintain oxalic acid concentrations as high as 600 mM/g. Oxalic acid is

also produced by brown-rot fungi during leaching of metals from the treated wood

(Humar et al. 2004). One-third of the isolates of soil fungi are able to solubilize at

least one toxic metal compound, ZnO, Co3(PO4)2, and Zn3(PO4)2, and 10 %

solubilize all three (Sayer et al. 1995). In Penicillium simplicissimum, adsorption
of zinc is accompanied by the production of citric acid (Franz et al. 1991). The

cultural filtrate of Aspergillus niger can render the solubility of 18 % Cu, 7 % Ni,

and 4 % Co, and these amounts are enhanced by the addition of HCl (Sukla et al.

1992). Fe(III) can be solubilized by a low-molecular-weight chelating compound

known as the ferrichrome (Crichton 1991). The structure of the hyphae in the form
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of hard compact pellets is altered due to a manganese deficiency (Schreferl et al.

1986). Penicillium janthinellum F-13 on different media reduces Al toxicity, but

tolerance of the high external concentration of Al appears to be due to a different

mechanism (Zhang et al. 2002). The mechanisms of fungal transformation are

reduction, methylation, and dealkylation of metals; certain species of Penicillium
are also known to remove iron from alloys (Siegel et al. 1990). Alternaria alternata
causes volatilization of substantial amounts of selenium to the dimethylselenide

form (Thompson-Eagle et al. 1991). The volatilization process is optimized and

used in the fungal bioremediation of contaminated water and land (Thompson-

Eagle and Frankenberger 1992). The mechanism of fungal selenium

transformations has been described (Thompson-Eagle and Frankenberger 1992;

Gadd 1993). Several fungal species (i.e., Candida humicola, Gliocladium roseum,
and Penicillium sp.) have been established to methylate arsenic compounds such as

arsenate [As(V), AsO4
3�], arsenite [As(III), AsO2�], and methylarsonic acid

[CH3H2AsO3] to volatile dimethyl [(CH3)2HAs] or trimethylarsine [(CH3)3As]

(Tamaki and Frankenberger 1992). Fusarium oxysporum reduces silver ions in

solution, thus forming stable silver hydrosol (Ahmad et al. 2003). Silver

nanoparticles of 5–15 nm are stabilized by proteins of the fungus. It seems that

the reduction of silver ions occurs due to an enzymatic process. A FeCl3-pretreated

waste tea fungal mat is an effective biosorbent for As(III) and As(V), and an

autoclaved fungal mat is effective for Fe(II) removal from a groundwater sample

(Murugesan et al. 2006). Modification of mobility and toxicity of metalloids by

these processes can lead to their biotechnological potential in bioremediation. For

more discussion of the mechanisms of mycotransformation of metals, the reader is

referred to a review by Gadd (2001).

11.4 Mycorrhizal Fungi and Rhizosphere Remediation

Mycorrhizas are symbiotic associations between certain soil fungi and plant roots and

are ubiquitous in the natural environments. Their role in nutrient transport in ecosystems

and protection of plants against environmental and cultural stress has long been known.

The majority of the mycorrhizas are obligate symbionts because they have little or no

ability for independent growth. Autobionts are not much involved in associations. By

combining the structure and functional aspects of symbiosis, Trappe (1996) defined

mycorrhizas as “dual organs of absorption formedwhen symbiotic fungi inhabit healthy

organs of most terrestrial plants.” Smith and Read (1997) defined a mycorrhiza as “a

symbiosis in which an externalmycelium of a fungus supplies soil-derived nutrients to a

plant root.” The arbuscular mycorrhiza (AM) is themost ancient type of association and

colonizes the plants by scavenging for phosphate. About two-thirds of plants are known

to have anAM type of association. TheAMassociation belongs to nearly 150 taxa of the

order Glomales. The second common type in the environmental systems is the

ectomycorrhizal (ECM) fungi. The important differences between the ECM and AM

fungi have been summarized (Colpaert and Van Tichelen 1996). The ECM fungi are
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more specialized in nutrient capture, and both fungi differ in the quantity of production

of external biomass. These fungi are also called extremophiles, due to their occurrence in

extreme habitats, including high or low temperature, pH, salt and metal concentration,

drought, and so on. The growth of mycorrhizas is also known in the presence of low

availability of nutrients that could increase plant growth. The symbiotic relationship

allows the fungus to tide over the harsh conditions of toxic contamination. The rhizo-

sphere zone around the roots of plants is the active seat of metabolic substrates

responsible for the growth and survival of fungi in soil ecosystems. The fungi and

plant can extend nutrients to each other. However, the supply of nutrients in nutrient-

deficient ecosystems by mycorrhizal fungi to the host plant is quite interesting. The role

of mycorrhizas in rhizosphere remediation and of ECM fungi to degrade a wide variety

of persistent organic compounds has finally been established (Meharg and Cairney

2000a). Several different types of mycorrhizal associations have been classified from

time to time by different mycologists. Certain species of fungi exhibit a narrow host

range of plants, whereas others have a broad range. Worldwide distribution and a broad

host range are known for the ECM fungus Pisolithus tinctorius. Some associations in

forests are specific, whereas others are nonspecific. Some mycorrhizal associations

influence the pattern of plant communities. The diverse communities of ECM, AM,

and ericoid mycorrhizal (ERM) fungi are known at many host plant root systems. The

specificity of ECM fungi is well expressed. In a soil environment, levels of colonization

depend on seasonal variations and activities related to soil disturbance. These variations

lead to reduction in propagule density and mycelial systems. Seven different types of

associations have been classified: arbuscular, ectomycorrhiza, ectendomycorrhiza, eri-

coid, arbutoid, orchid, and monotropoid (Smith and Read 1997). These categories are

based on the criteria of the type of the fungus involved and the resulting structures

producedby the root–fungus association.Thehost cells are not penetrated by ectotrophic

mycorrhiza and form an intercellular hyphal network in a sheath around the plant roots.

The host cells are penetrated by endomycorrhiza with a superficial hyphal network on

the root surface.

11.4.1 Toxic Metals Uptake and Resistance in Mycorrhizal
Symbiosis

Plants that grow on heavily polluted soils are known as mycotrophic. ECM, ERM,

and AM fungi can increase plant tolerance to heavy metals at toxic concentrations.

This is due to the accumulation of metals in extramatrical hyphae and extrahyphal

slime. This leads to the immobilization of metals in or near roots and decreases

uptake to shoots. Increased levels of metal tolerance to plants are not known in all

mycorrhizal associations, due to differences in influence on plant metal tolerance.

ECM fungi may be useful as bioindicators of pollution (Haselwandter et al. 1988;

Aruguete et al. 1998). Mine spoils are good target sites from which to study the

application of mycorrhizal fungi. The influence of soil acidification is generally
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difficult to separate from the influence of metals. Many ECM fungi are associated

with acidic, nutrient-poor soils in coniferous forests, and these acidic soils increase

the solubility of Al and Mn ions (Dighton and Jansen 1991). Species of ECM fungi

exhibit constitutive tolerance to acidic conditions and high metal concentrations.

Inoculation with Pisolithus tinctorius at the root of Pinus massoniana increases its

ability to resist toxicity due to Al stress (Kong et al. 2000). ECM fungi are metal

sensitive in pure solid and liquid cultures. Based on soil concentration, Pinus and
Pices seedlings can be protected from heavy metal toxicity by Suillus luteus (Dixon
and Buschena 1988). AM fungi decrease the concentrations of Cd, Mn, and Zn in

leaves of host plants in highly metal-polluted soils (Heggo et al. 1990; Hetrick et al.

1994). Several studies are known for in vitro tolerance of ECM fungi against heavy

metals. Perhaps no correlation exists between in vitro tolerance of fungi and their

expression of increased metal tolerance of plants. A combination of in vitro, in vivo,

and field studies is important for the evaluation of metal tolerance of ECM fungi. The

percentage of mycorrhizal root tips can be related to the measurement of metal

tolerance in vitro and in vivo. Heavy metal tolerance under in vivo conditions

indicates a potential for future inoculations of Eucalyptus on ultramafic soils

(Aggangan et al. 1998). Mycorrhizas of Cortinarius semisanguinea exhibit the

highest mean levels of Cu and Zn, while those of Russula spp. and Suillus spp.

display the highest mean levels of Pb and Cd, respectively (Berthelsen et al. 1995).

These authors also discuss the various morphological types. Levels of Zn (0–38 %),

Cd (0–33 %), and Pb (0–2 %), respectively, were accumulated in the fungal biomass.

Increasing the Pb concentration produced different ECM morphotypes in soil

(Chappelka et al. 1991). In glasshouse investigations, five ECM morphotypes were

identified in association with seedlings of Pinus sylvestris (Hartley 1997). However,

the addition of Cd > 20 mg/kg soil or Zn > 200 mg/kg soil revealed only two

morphotypes. Smith and Read (1997) propounded several different mechanisms for

the interactions between colonization of mycorrhizas and accumulation of heavy

metals, including interactions with phosphorus nutrition leading to tissue dilution of

the toxic element, metal sequestration, and tolerance development by the fungus.

However, the results presented by Zhu et al. (2001) cannot be explained according to

their mechanisms. Brooks (1998) reported increased transport of metal to the shoots

by hyperaccumulator plant species that developed tolerance to high metal

concentrations. Additional studies are needed on mycorrhiza hyperaccumulators as

a mechanism of protection against heavy metals in the soil. The protective effect of

mycorrhiza against plant Zn uptake has been observed (Li and Christie 2001). This

correlates with changes in Zn solubility due to changes in soil solution pH or by

immobilization of Zn in extraradical mycelium. Cairney and Meharg (1999) reported

that the diversity of ECM fungi and infections could be maintained in multiple

contaminated sites. In this way, fungus provides protection to a plant against

contaminants and assists the plant to grow in hazardous areas. During sand culture,

Glomus caledonium shows the highest infection rates and the poorest sporulating

ability in heavy metal (Cu and Cd) treatments (Liao et al. 2003).
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11.4.2 Metal Resistance Response Mechanisms

The mechanisms of the mycorrhizal fungi against metal toxicity and host plants and

to them are not well understood. However, several mechanisms have been

postulated. Many of the principles are similar to the biosorption of other classes

of fungi. The mechanisms can be divided into two categories: avoidance and

sequestration. Avoidance can reduce the concentration of metal by precipitation,

biosorption, and uptake or efflux. Sequestration involves the formation of

compounds for intracellular chelation. The binding of heavy metals on extraradical

mycelium is suggested as the mechanism for the tolerance of heavy metals in

ericaceous mycorrhizal and ectomycorrhizal plants. Abundant production of

extramatrical mycelium can provide the best protection to the host, as it provides

increased capacity for metal retention by reducing exposure to the individual

hyphae. X-ray microanalysis has located high Zn concentrations in extramatrical

hyphae in cell walls and extrahyphal polysaccharide slime (Denny and Wilkins

1987). The same is also true in ericoid mycorrhizal endophytes (Denny and Ridge

1995). Dense mycelium can also provide an increased supply of nutrients to the host

and will infect new plant roots due to the larger biomass. In certain mycorrhizal

associations, the fungal sheath can prevent metals from reaching the root surface. In

general, these fungi produce loosely packed sheaths with large interhyphal spaces.

The permeability of the apoplastic pathway to solute movement of the fungal sheath

can play an important role in determining fungus-mediated host metal tolerance.

The high metal storage capacity of Xerocomus badius–Picea abies in acidic soil is

related to both the activity of the hyphal sheath and the frequent occurrence of

vacuoles (Kottke et al. 1998). In ECM fungi, polyphosphates are produced in the

vacuole that exists in the form of insoluble granules complexed with a variety of

cations. Polyphosphate granules bind the metal cations, and this appears to be a

method of intracellular metal detoxification in these fungi. Electron spectroscopic

imaging and electron energy loss spectroscopy reveal two types of electron-opaque

granules detected in vacuoles of Hartig net hyphae in Paxillus involutus–Pinus
sylvestris mycorrhizas of heavily polluted sites (Turnau et al. 1993a, b, 1996a, b).

One type of granule detects high concentrations of P with S, Ca, and Al, and the

other type, low concentration of P with more N, S, and Cd. Polyphosphate granules

are localized inside the cytoplasm of the fungal mantle and Hartig net and contain

P and Ca (Grellier et al. 1989; Moore et al. 1989). The ability of Paxillus involutus
to accumulate Cd in different compartments has been recognized (Blaudez et al.

2000). Two mechanisms of metal detoxification can be considered: binding of Cd

onto cell walls and accumulation of Cd in the vacuolar compartment. Oidiodendron
maius Cd 8-Vaccinium myrtillus mycorrhizas of polluted soils display the forma-

tion of insoluble Zn crystals (Martino et al. 2003). Isolates of O. maius produce
citric, malic, and fumaric acids that solubilize the insoluble Zn compounds. Strains

isolated from unpolluted soils are more efficient in solubilization from both

ZnO and Zn3(PO4)2 than strains from polluted soils. Increased tolerance to

arsenate has been found for Hymenoscyphus ericae collected from polluted soils
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(Sharples et al. 2001). Arsenic enters the cell via the phosphate transporter.

A higher tolerance of Zn and Cd of Suillus luteus isolates from a polluted habitat

is expressed in vitro than of isolates from an unpolluted habitat (Colpaert et al.

2000). Nearly 70–90 % of ERM fungi solubilize Cd and Cu phosphates and

cuprite (Fomina et al. 2005). Also, toxic metal minerals are better solubilized by

metal-tolerant isolates. Other metal chelators are found in the vacuoles of fungi:

inorganic ions, phytochelatins, metallothioneins, and organic acids. Chelators may

vary from ECM species to species and nutrient status of the fungus. Different

metals also have varying affinities for chelators. Zn and Al show higher affinity

for organic acids and Cu and Cd for phytochelatins. Metallothionein-like peptides

are induced in Pisolithus tinctorius in the presence of Cu, Cd, and Zn (Morselt et al.

1986). Cd exposure leads to increased activity of adenosine 30-phosphate
50-phosphosulfate sulfotransferase, sulfate reduction, and acid-soluble thiols in

Laccaria laccata in symbiosis with Picea abies (Galli et al. 1993). Forming

complexes with glutathione and g-glutamylcysteine detoxifies Cd. Polyamine

formation in response to metals is also known. Exposure of Cu to ECM fungi

propels an increase in activity of extra- and intracellular tyrosinase (Gruhn and

Miller 1991). The activity of tyrosinase enhances melanin, which limits the entry of

Cu and other ions into the cells. On the contrary, little polyamine formation is

noticed in Paxillus involutus due to Zn exposure (Zarb and Walters 1995).

Metallothioneins and phytochelatins are involved in constitutive tolerance (Meharg

1994). The plasmalemma of ECM fungi also appears to protect the host plant from

metal toxicity. Metallothioneins are isolated and characterized from the ECM fungi

L. laccata and Paxillus involutus (Howe et al. 1997). Some open reading frames

encoding for putative metallothioneins have been identified on the chromosomes of

the AM fungus Gigaspora margarita (Lanfranco et al. 2002) and the ECM fungus

Tuber borchii (Pierleoni et al. 2004). AM fungi have also been recognized on hosts

colonizing metal-contaminated soils (Meharg and Cairney 2000b). It appears that

AM fungi have evolved resistance to act as the nutrient supply or provide increased

resistance to host plants. AM fungi from arsenic mine spoils also contribute to plant

tolerance (Gonzalez-Chavez 2000). This study indicated an increase in the arsenate

resistance of the arsenate-resistant grass Holcus lanatus.

11.5 Arbuscular Mycorrhiza in Metal-Contaminated

Environments

11.5.1 Mycorrhizal Status of Plants on Metal-Contaminated Soils

In general, initial colonizers of heavily disturbed and metal-contaminated soils are

metal-tolerant plant species, which tend to be nonmycorrhizal or develop low

arbuscular mycorrhizal (AM) colonization levels, with important impacts on the

increase of soil organic matter content and improvement of the soil microclimate.
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This tends to be conducive to the establishment of plant species favoring higher AM

colonization levels and/or favoring other mycorrhizal types, particularly ericoid and

ectomycorrhizal, and the mycorrhizal succession can therefore be seen as a gradual

replacement of nonmycorrhizal by mycorrhizal plant species (Allen 1991; Leyval

and Joner 2001; Regvar et al. 2006). The reduced arbuscular mycorrhizal fungal

(AMF) spore diversity, spore density, and infectivity commonly observed in metal-

polluted soils were frequently seen as the main factor influencing the observed low

mycorrhizal colonization levels (Pawlowska et al. 1996; Leyval and Joner 2001;

Regvar et al. 2001). Despite that, several Glomus species (e.g., G. mosseae,
G. fasciculatum, G. intraradices, G. aggregatum, and G. constrictum) along with

Scutellospora dipurpurescens, Gigaspora sp., and Entrophospora sp. were fre-

quently identified on the basis of spore morphology in metal-polluted habitats

(Griffioen 1994; Pawlowska et al. 1996, 2000; Regvar et al. 2001). Studies of the

occurrence of mycorrhizal symbiosis in the metal-rich lateritic soils of New

Caledonia, where almost 75 % of vegetation is endemic, showed that all examined

plants were consistently colonized by AMF. The presence of spores of AMF found

in their rhizosphere soil indicated the existence of specific mechanisms to control

high Fe, Ni, Cr, Co, Mn and Al and to cope with low nutrient levels in soil, resulting

from the coevolution of plants and their fungal symbionts over millions of years.

Regardless of the high fungal metal tolerance, however, the lowest AMF spore

densities observed in soils with the highest Ni concentrations (Perrier et al. 2006)

seem to be a feature frequently found on metal-polluted sites, indicating strong

selection pressure(s) on the indigenous AMF populations in metal-enriched soils.

Some plants are clearly more mycorrhizal than others, and despite frequently

observed seasonal variations, a consistent hierarchy is maintained (Peat and Fitter

1993; Fitter and Merryweather 1992; Regvar et al. 2006). Recent studies show that

mycorrhizal grasses (e.g., Agrostis capillaris, Sesleria caerulea, Calamagrostis
varia) that usually colonize Zn-, Cd-, and Pb-polluted mining sites (Leyval and

Joner 2001; Regvar et al. 2006) are able to maintain relatively constant, though

moderate (50–80 %), levels of mycorrhizal colonization (Iestwaart et al. 1992;

Leyval et al. 1997; Regvar et al. 2006), whereas highly mycorrhizal plant species

are mostly found dominating less polluted sites (Pawlowska et al. 1996; Regvar

et al. 2006). The functional significance of plant colonization levels is still a matter

of debate, highlighting the lack of understanding of the formation of particular AM

structures in plant roots (Fitter and Merryweather 1992; Allen 2001; Regvar et al.

2006). Vesicles, frequently hard to distinguish from intraradical spores, are more

frequently formed on the most polluted locations and are seen as a part of the

mycorrhizal survival strategy on metal-polluted sites (Pawlowska et al. 1996;

Turnau et al. 1996a, b; Regvar et al. 2006). The increased proportion of colonized

root length at low soil metal concentrations suggests that plants invest increasingly

more in AM symbiosis at low soil metal levels (Audet and Charest 2007). However,

plant and fungal metal tolerance mechanisms as well as specific edaphic conditions

(e.g., soil metal concentrations, metal speciation, soil pH, and organic matter

contents) should be taken in account when interpreting such results (Leyval et al.

1997; Leyval and Joner 2001; Audet and Charest 2007). In conclusion, despite the
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commonly observed low AMF spore diversities and densities in metal-enriched

soils, the existing fungal colonizers are presumably the best suited to cope with the

existing microclimatic/microedaphic conditions and should therefore be

investigated in contemporary conservation practices. The reduced mycorrhizal

colonization levels frequently seen within plant communities from metal-

contaminated sites seem to arise from both the composition of the plant

communities, usually comprised of plant species with low to moderate mycorrhizal

colonization levels, and low levels of mycorrhizal colonization of the specimens of

particular plant species on the more polluted locations, which are, however, still

within the limits for that plant species, thus maintaining the consistent hierarchy. In

addition, intense formation of intraradical fungal spores is frequently found at the

most polluted locations. All these characteristics of mycorrhizal colonization may

be seen as a plant “mycorrhizal strategy” on highly metal-contaminated

environments, contributing significantly to increased plant fitness.

11.5.2 Functional Significance of Arbuscular Mycorrhizas
in Metal-Tolerant Plants

Arbuscular mycorrhizal fungi (Glomeromycota) (Schüssler et al. 2001) are ubiqui-

tous soil microbes considered essential for the survival and growth of plants in

nutrient-deficient soils. They expand the interface between plants and the soil

environment and contribute to plant uptake of macronutrients and micronutrients,

as well as significantly to stress alleviation (Allen 1991; Smith and Read 1997). In

addition, they were shown to protect plants from harmful effects of excess metals,

connected mainly to fungal metal tolerance mechanisms (Gildon and Tinker 1983;

Dehn and Schüepp 1989; Hetrick et al. 1994; Hildebrandt et al. 1999; Chen et al.

2003; Gaur and Adholeya 2004). They are therefore frequently seen as a tolerance

mechanism of plants in highly metal-polluted soils (Turnau et al. 1996a, b; Hall

2002; Regvar et al. 2006). Studies aiming to explain the physiological mechanism

(s) involved in metal tolerance of AMF to elevated metals face difficulties in

demonstrating their possible role(s) in metal uptake or contribution to the metal

tolerance of the host due to their obligate symbiotic character. Numerous effects of

AMF on plant metal accumulation may be seen as an array of responses from

decreased toward neutral or even increased metal uptake, depending on different

plant–AMF combinations and the metals involved (Leyval et al. 1997; Leyval and

Joner 2001; Malcova et al. 2003), thus making it difficult to draw any firm

conclusions. Despite that, numerous studies have demonstrated that the selection

of indigenous metal-tolerant isolates seems to serve the aim of reducing the

endogenous concentrations of metals in plants better than non-tolerant ones. For

example, AMF inoculum from metal-tolerant Viola calaminaria was efficient in

sequestering metals (e.g., Cd and Zn) in the roots of subterranean clover (Tonin

et al. 2001). Glomus intraradices Br isolated from the roots of V. calaminaria
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improved maize growth in polluted soil and reduced root and shoot metal

concentrations in comparison to a common G. intraradices isolate or non-colonized
controls (Hildebrandt et al. 1999; Kaldorf et al. 1999), and AMF isolates from As-

contaminated soil were proved to confer enhanced arsenate resistance on the grass

species Holcus lanatus by suppressing As uptake (Gonzalez-Chavez et al. 2002).

Greater accumulation of Cd, Ti, and Ba was observed in fungal structures than in

the host plant cells (Turnau et al. 1993a, b), and measurements of the metal-binding

capacity of mycorrhizal mycelium showed that AMF hyphae have a high metal

adsorption capacity (e.g., for Cd), potentially representing a barrier for metal

translocation to plant tissues (Joner et al. 2000). Surface adsorption mechanisms

involve ion exchange, complexation, precipitation, and crystallization of metals on

the extra- and intraradical hyphal cell wall components (e.g., chitin, cellulose

derivatives, and melanin) or extracellular slime, which may reduce the intracellular

accumulation of metals and their effects on cytoplasmic processes (Turnau et al.

1993a, b; Galli et al. 1994; Denny and Ridge 1995). Cd-induced transcript levels of

a putative Zn transporter gene (GintZnT1) of the cation diffusion facilitator family

(CDF) were observed in symbiotic mycelia of Gigaspora margarita and of an ABC
putative transporter gene (GintABC1) of the external mycelia of Glomus
intraradices, thought to be involved in Cd detoxification in metal-contaminated

soils (González-Guerrero et al. 2005, 2006). Mechanisms within fungal cells,

however, involve chelation of metal ions by ligands like polyphosphates and

metallothioneins, compartmentation within vacuoles, and coping with oxidative

stress (Turnau et al. 1993a, b; Kaldorf et al. 1999; Joner et al. 2000; Leyval and

Joner 2001; Ouziad et al. 2005; Hildebrandt et al. 2007), and vesicles might

potentially serve as storage compartments for heavy metals (Turnau 1998;

Weiersbye et al. 1999). A study on the significance of AM as a function of low/

high nutrient availability demonstrated higher biomass production and nitrogen

content of mycorrhizal plants under low nutrient treatment (Cruz et al. 2004).

Similar trends seem to apply for uptake of the nonessential elements. The greater

volume of the mycorrhizosphere, compared to the rhizosphere alone, provides an

increased access to soil resources, including macro-, micro-, but also nonessential

elements at low soil concentrations. On the other hand, at higher soil metal levels,

AMF are expected to reduce soil metal bioavailability since metals are sequestered

in extraradical hyphae (Joner et al. 2000), therefore resulting in lower metal uptake

in AM than non-AM plants. In a literature survey, Audet and Charest (2007)

correlated metal uptake and relative plant growth parameters of AM plants in

heavy metal-polluted soils at low and high soil metal concentration intervals.

They were able to determine (1) an increased mycorrhizospheric metal uptake at

low metal concentrations and (2) a reduced metal uptake via AMF “metal-binding”

processes at high soil metal levels, hence resulting in enhanced plant tolerance

through metal stress avoidance, whereas in the area of transition between the two

zones, (3) there is kinetic equilibrium that shows no detectable differences between

AM and non-AM plants. Interestingly, far smaller differences are seen on the basis

of biomass, with the higher plant biomass of AM plants in the zone of high metal

levels being the most prominent (Audet and Charest 2007). Taken together, the
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tolerance mechanisms AMF develop at metal-contaminated sites may play a crucial

role(s) in mediating metal uptake and translocation to plants (Leyval et al. 1997),

with immobilization of metals in the fungal biomass as the main mechanism

involved (Li and Christie 2001; Zhu et al. 2001; Gaur and Adholeya 2004). Because

of the lower sensitivity of fungal hyphae to metals compared to plant roots (Joner

and Leyval 2001), functional symbiosis with metal-tolerant AMF strains may

confer improved metal tolerance on plants, while maintaining an adequate supply

of nutrients like P and N through active hyphal uptake (Gaur and Adholeya 2004),

thus contributing to improved plant fitness in metal-contaminated soils. However, a

range of environmental factors including soil metal concentrations and their bio-

availability, soil absorption/desorption characteristics, as well as endogenous

factors (e.g., the fungal properties and inherent heavy metal uptake capacity of

plants) may influence the uptake of metals by mycorrhizal plants (Leyval et al.

1997; Pawlowska and Charvat 2004). Considering the compromise between plant

growth and metal tolerance, AM plants most likely invest more in a stress-

avoidance strategy via metal binding by AMF rather than in metabolically more

costly stress-resistance alternatives, such as metal chelation and sequestration

(Audet and Charest 2007). This was already indicated by a study on tomato gene

expression in metal-polluted soils with induction of plant Lemt2 (metallothionein)

and LeNramp1 (metal transporter) genes, whose products are putatively involved in

metal stress alleviation and that were not induced in the otherwise better growing

AM plants. It was suggested that colonization lowered the concentration of heavy

metals in plant cells to a level insufficient to induce the expression of these genes

(Ouziad et al. 2005; Hildebrandt et al. 2007), which may also apply to more tolerant

plant species.

11.6 Conclusion and Future Perspective

Mycorrhizas constitute a bridge for nutrient transport from soils to plant roots.

Their role in the formation of soil aggregates and the protection of host plants

against drought and root pathogens is well established. A slow process of remedia-

tion by these fungi is predicted, which depends on the development of the host root

system and associated fungal biomass. The selection of compatible host–fungus–

substrate combinations can be exploited by inoculating with ECM or ERM fungi for

sustaining the infections. A survival rate of years is well known when inoculated

experimentally with ECM fungi (Selosse et al. 1999). Multitrophic interactions are

useful in rapid remediations. Fast remediation of persistent organic compounds may

be possible with interaction between ECM fungi or bacteria. High variability and

lack of homogeneity in experimental protocols, bioassays, and field data are quite

familiar in mycorrhizal research. Variability in concentration, duration, and expo-

sure of constituent, coupled with soil and edaphic features, multiple constituents,

short-lived/long-lived infections, and colonization and greenhouse/natural

conditions, will greatly affect the generation of data. Such inconsistencies make
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interpretations and conclusions more difficult. A fungus growing continuously in

the field indicates an ample supply of carbon coming from the host plant. This can

lead to the development of certain enzyme activities and a fungal biomass that aids

in the degradation of toxic compounds. Experiments should be designed so as to

decipher the intricate fungal degradations in the field in symbiotic association with

the host plant as to how the influence of environmental factors on degradation and

the degradation rate are affected. Due to prevailing mycorrhizal fungal diversity in

ecosystems, it is difficult to predict the effect of soil acidification, metal or hydro-

carbon pollution, and other factors on mycorrhizal communities. Because of this

effect, the loss of fungal species may occur in soils, resulting in increased predis-

position of the host plant to environmental stress. Current knowledge on the

functional diversity of mycorrhizal communities is fragmentary. Therefore, the

ultimate interest shifts back to the effects of pollutants on the extramatrical mycelial

systems of these fungi in soil. This can result in reduction or gain of fungal biomass

in soil. Study of the effects of pollutants on the growth of extramatrical mycelium of

these fungi is the first step in understanding the stability or sustainability in the

ecosystems. This knowledge on the behavior of such fungi in association with the

host plant can be deciphered collectively. Ultrastructural details related to soil

acidification and contamination, nutrient transfer, and structural alterations can

answer questions of general ecological importance. Trees can be planted on soils

low in contamination where there is no risk of human health. Trees can be

inoculated with the suitable fungi. This may result in gradual decontamination

after the establishment of mycorrhizal fungi in the soil. Important gaps exist in

understanding multitrophic interactions, and such complexity is far greater than

described. Little work has been performed on screening of these fungi related to

persistent organic compounds, and comprehensive screening is required. Minerali-

zation of certain compounds has been demonstrated in certain cases, and the

intermediate products are known in only a few cases. Production of extracellular

enzymes by mycorrhizal fungi is now known and has a great potential in soil

mycoremediation. Unfortunately, no example is known that elucidates the mecha-

nism of action of mycotransformation of any pollutant. It is necessary to identify

matching host plant species, and efforts need to be intensified to perform large-scale

greenhouse field trials to update the process. Soil characteristics related to

contaminants, fungal mycelia, host plants, and the efficiency of the process of

mycoremediation need to be optimized. Tree growth and its management, including

fertilization and irrigation, will also be important in the future of rhizosphere

mycoremediation (Meharg and Cairney 2000a). AM fungi can express anastomosis

formation and nuclear and protoplasmic exchange. Genetic exchange during anas-

tomosis formation can open the door to vegetative compatibility in natural

populations of AM fungi. Somatic incompatibility (Dahlberg 1999) and genetic

transformation in ECM fungi (Lemke et al. 1999) have been described. Success can

be obtained by cloning transport-system genes in plants by complementation

of yeast mutants (D’Enfert et al. 1995). This will assist in our understanding

of the molecular aspects of transport systems in ectomycorrhizal fungi and

ectomycorrhizas. Transport-system-specific antibody development against protein
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sequences derived from cDNAs or against purified transport proteins can be helpful

in this regard (Chalot and Brun 1998). Genetic transformation system is highly

complex, due to the symbiotic nature of these fungi. However, it is now possible to

design molecular techniques to characterize signals, genes, and proteins necessary

for symbiosis. Only then can the involvement of these molecules and signals in the

ectomycorrhizal process be demonstrated functionally. Genetically engineered

mycorrhizal fungi can be developed and applied for the manipulation of host plants

in many physiological and ecological ways. Such novel fungi can express metal-

chelating factors for the reduced uptake of soluble metals by roots. In addition, an

adverse environment around root systems due to acidity or toxic pollutants can be

changed.
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Chapter 12

Mycorrhizae Adsorb and Bioaccumulate Heavy

and Radioactive Metals

Hassan Zare-Maivan

12.1 Introduction

Mycorrhizae are mutual symbiosis (associations) between plant roots and a wide

group of soil-inhabiting, filamentous fungi. Both partners exchange essential nutrients

required for their growth and survival (Sapp 2004). The fungal partner acquires

nitrogen, phosphorus, and other nutrients from the soil environment and exchanges

them with the plant partner for photosynthetically derived carbon compounds that are

essential for its metabolism. Primary function of mycorrhizal fungi is nutrient

exchange, and this provides the basis for broad classification into seven groups:

ectomycorrhizae, ericoid mycorrhizae, ectendomycorrhizae, arbuscular mycorrhizae,

arbutoid mycorrhizae, monotropoid mycorrhizae, and orchid mycorrhizae.

In temperate and boreal forest ecosystems, trees typically form ectomycorrhizal

(ECM) symbioses, whereas the major constituents of the understory and rangeland

vegetation form arbuscular (AM) and sometimes ericoid (ERM) or arbutoid (ARM)

mycorrhizae. The ECM and AM mycorrhizae will be considered in more detail.

These two groups of mycorrhizae occur in a wide variety of plants, particularly those

plant species capable of propagating in reclaimed areas, such as abandoned mines and

contaminated fields. Ectomycorrhizal (ECM) and arbuscular mycorrhiza (AM) are

the mutual symbiosis between some fungi and roots of terrestrial plants. Mycorrhizal

fungi have been reported to be direct physical links between soil and plant roots

increasing soil nutrient exploitation and transfer of minerals to the roots. As such,

mycorrhizae have provided an efficient system to advance the stabilization of

heavy metals by plants (phytostabilization). This is achieved through secretion of

compounds (e.g., enzymes) by the fungal partner that precipitate into polyphosphate

granules in the soil and subsequent adsorption to fungal cell walls and chelating of
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heavy metals inside the fungal cells. Therefore, the use of mycorrhizal plants for land

remediation and reclamation has been proposed with results including mycorrhizae

influencing metal transfer in plants by increasing plant biomass and plant phosphorus

nutrition and reducing metal toxicity to plants by decreasing root to shoot heavy

metal translocation and or inside cell stabilization. The effect of mycorrhizae on

metal uptake in plants is still controversial, and the issue of heavy metal uptake and

bioaccumulation in plants needs further research.

12.2 Soil Habitat

Conditions within soil habitats vary by orders of magnitude over micrometer

distances, in response to physical (structure and texture), chemical (pH, O2,

pollutants, soluble substances, and plant residues), and biological (soil biota,

community fauna, plant roots, and interactions) variables. Such variability provides

ample opportunity for establishing infinite variety of microscale habitats and means

of interactions among consumer groups in the mycorrhizosphere. It is perhaps

because of this, any soil sample contain representative species from major genera

of the known microbiota of terrestrial ecosystems. Among these, mycorrhizal fungi

form a distinctive and widespread group of organisms that establish mutual symbi-

otic relationships with fine roots of plant species. In light of growing urbanization,

industrialization, and greater environmental disturbances, much effort is being

directed toward friendly interaction of man and the environment. As such, consid-

ering the new technological and biotechnological advances in the field of ecology

and environmental studies, from a management perspective, the genetic potential to

mediate virtually any biogeochemical reaction and the habitat needed to support it

exist in most soils which with developing specialized capabilities could be

investigated further.

12.3 Ectomycorrhizae

Associations between ECM fungi and the roots of woody plants are characterized

by three structural components: the mantle, the Hartig net, and the extraradical

mycelium (Smith and Read 1997). The mantle is a sheath of fungal tissue that

covers the highly active tips of the lateral roots of the plant and forms the boundary

between the root and the soil environment. Its compact, but also variable, morpho-

logical nature provides a buffering capacity that helps to prevent root cell dehydra-

tion or penetration by pathogenic organisms (Brundrett 1991). Fungal hyphae

extend from the outer mantle form a web of extraradical mycelia which grow into

the rhizosphere. These mycelia extend into micropore areas and absorb nutrients

that may otherwise be inaccessible, usually biochemically to roots (Perez-Moreno

and Read 2000). Some ECM fungi also form rhizomorphs, which are thick linear
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aggregates of hyphae that are specialized for long-distance translocation of

nutrients and water (Agerer 2001). Lipids, phenolic compounds, proteins, and

polyphosphates may accumulate in the hyphae of the outer mantle, which may

also bind heavy metals and thereby prevent their uptake into roots (Peterson et al.

2004). The inner mantle consists of repeatedly branched hyphae, suggesting a role

in nutrient exchange such as enabling absorption of simple sugars, such as glucose

and fructose from the root, and conversion to fungal sugars such as trehalose,

mannitol, or glycogen (Peterson et al. 2004). Hartig net is a highly branched hyphal

structure growing between epidermal and cortical cells of the root and is the

probable site for exchange of nutrients between symbionts (Peterson et al. 2004).

Subtle variations in morphological attributes viewed using light microscopy are

often used to distinguish between ECM fungal taxa; development and differentia-

tion of extraradical mycelia has been used to define features relevant to the

ecological classification of ECMs (Agerer 1987–2002, 2001). ECM fungi are

usually classified among Ascomycetes and Basidiomycetes, unlike AM fungi

which are established primarily by Glomeromycetes. ECM plant species represent

only about 8,000 species (mostly in the families Pinaceae, Betulaceae, Fagaceae,

Dipterocarpaceae, Salicaceae, and Myrtaceae which form extended forest

ecosystems and woody habitats). These species are of global importance because

of their disproportionate occupancy and domination of terrestrial ecosystems in

boreal, temperate, and subtropical forests (Smith and Read 1997). It has been

estimated that 5,000–6,000 species of fungi (of the classes Basidiomycetes,

Ascomycetes, and few Zygomycetes) form ECM symbioses (Molina et al. 1992;

Horton and Bruns 2001), but these numbers are expected to rise as more regions are

progressively explored in detail (Cairney 2000). ECM fungal communities exhibit

high species richness and diversity, even within small areas with little heterogeneity

in plant communities, soil properties, climate, and disturbance patterns (Bruns

1995; Robertson et al. 2006).

12.4 Arbuscular Mycorrhizae Fungi

Arbuscular mycorrhizae (AM) fungi, unlike ECMs fungi, do not induce distinctive

changes in the root morphology of partner plant. AMs are generally established in

fine lateral roots of plants that are composed of a vascular cylinder, few rows of

cortical cells, and an epidermal layer. AM fungi do not form mantles or Hartig nets,

but rather penetrate through the epidermal layer of thin roots or from root hairs and

develop intracellular hyphal branch-like coils, called arbuscules, that are

specialized for nutrient exchange and function as the site of bidirectional nutrient

exchange. The intracellular fungal symbiont is separated from the plant cytoplasm

by a plant-derived membrane, which invigilates to follow fungal growth and coil

formation. Usually, within 2 weeks of arbuscule formation and subsequent growth

and development of fungal hyphae in the cortex of the root, thick-walled inter- or

intracellular vesicles are formed that act as endophytic storage compartments for
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fungal partner. Arbuscules are often formed progressively within a short distance

behind the penetrating hyphal tip. AM presence in the roots of plants requires

dissecting and sectioning of roots, proper tissue staining, and microscopic exami-

nation. However, AM fungi are primarily identified on the basis of morphological

features of their spores and sporocarps and chlamydospores. These propagules are

produced outside the root on the extended fungal mycelium and act as dormant

propagules for mycorrhizal establishment under proper environmental conditions.

Besides, protein profiling, isozyme polymorphism, and DNA analysis have also

been applied to identify AM fungi.

12.5 Evolution and Diversity

Mycorrhizal symbioses have been an important force in evolution (Pirozynski and

Malloch 1975; Sapp 2004). Based on reconstructions of evolutionary lineages

phylogenies from fungal DNA and the fossil record, it is currently accepted that

the first mycorrhizal associations were pivotal in allowing plants to colonize the

terrestrial environment about 600 million years ago, and they form the evolutionary

basis of present plant communities (Pirozynski and Malloch 1975). ECM fungal

diversity appears to have arisen about 200 million years ago, corresponding to

changes in climate that allowed for colonization of the land with trees and increased

organic matter content of some ancient soils (Cairney 2000). Although phyloge-

netic analyses reveal that ECM fungi have originated from several independent

lineages and that symbiosis with plants has been convergent derived (and perhaps

lost) many times over millions of years (Hibbett et al. 2000). Greater diversity and

high species richness and abundance in many ecosystems may represent ecological

adaptation of mycorrhizae to local environmental heterogeneity and are thought to

provide forests with a range of strategies to maintain efficient functioning under an

array of environmental conditions (Cairney 1999). In general, soil microbial

communities appear to comprise groups of organisms that fulfill broadly similar

ecosystem functions, and their diversity represents the potential value and spectrum

of capabilities that are possessed by organisms present in a given ecosystem and

play a functional role in ecosystem processes (Allen et al. 2003). Knowledge of the

individual roles of mycorrhizal fungal species, or of their distribution either in

relation to each other or to the physical and chemical environments of the soil, is

limited (Rosling et al. 2003) and insufficient for determination of community needs

and responses by building up from the species level. Further research will reveal the

functional heterogeneity and role as well as effect of fungal community diversity on

the functioning of the ecosystems as a whole. These findings will allow environ-

mental managers to adopt a more clearly defined plan of action to remedy a

disturbed or polluted ecosystem, to restore and rehabilitate abandoned habitats

and to sustain pollution stressed plant communities.
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12.6 Soil and Rhizosphere

Soils are living, open, dynamic systems in which constant integrating and disintegrating

(i.e., maintaining and releasing) of inorganic and organic substrates and plant residues

occur. Soils contain structured and heterogeneous matrices, generally store nutrients

and energy, and support high microbial diversity and biomass (Nannipieri et al. 2003).

To thrive, soil microorganisms must mobilize energy and nutrients stored in soil. Soil

structure provides a complex and variable set of microbial microhabitats ranging from

energy-rich to barren, or aerobic to anaerobic, over minuscule distances. Soils are

composed of sand, silt, and clay particles that are held together by organic matter

(i.e., humus), precipitated inorganic materials, microorganisms, and the products of

chemical reactions and interactions by plant roots and other substances. Soil particles

adsorb important biological molecules (e.g., DNA, enzymes, etc.), and many soil

reactions are catalyzed at the surfaces of soil minerals such as clays, Mn oxides, and

Fe oxides (Nannipieri et al. 2003). Water occupies the aggregate pore spaces and forms

a meniscus around a central pocket of air, which provides an aerobic and aqueous

habitat suitable for supporting microbial communities. Water-logged soils usually

create anaerobic microsites which retard gas exchange and limit the distribution of

aerobic organisms such as mycorrhizal fungi.Whenmycorrhizae are present in the soil,

even under suboptimal conditions, the rhizosphere is more metabolically active. Fungal

metabolic activities produce organic acids that percolate with rainwater down through

the soil profile and contribute to accelerated weathering of mineral of the soil, and this

provides an opportunity for mycorrhizal propagules to adsorb and/or to interact with

metal ions under proper matrix potential of the soil. Although less than 5 % of the

soil volume is occupied by microorganisms, including mycorrhizal fungi, increased

biological activity takes place in these sites, and this is where the majority of soil

reactions are mediated (Diaz 2004). The availability and nutrient content of organic

matter are key factors influencing microbial biomass and community composition.

Other major factors controlling the distribution and abundance of soil microbial

communities include (1) chemical properties of the soil environment (e.g., pH, O2

supply and capacity for gas exchange and availability of water and nutrients such as N,

P, and Fe), (2) physical properties of the soil affecting dispersal (e.g., soil structure and

texture), and (3) biotic properties and recycling (i.e., turnover) capacity of soil. If heavy

metals and other contaminants that alter soil chemical and physical properties limit

resources and/or disturb the ongoing biological processes and are introduced into soils

in established ecosystems, the functional capacities of mycorrhizal fungi have proven

to be effective in ecological risk management of such ecosystems. These capacities are

as follows: (1) altering of the morphology and physiology of plant roots as for the

permeability of root membranes, (2) changing root exudation patterns as well as the

types of C substrates exuded (Linderman 1988), (3) generating extra volume on

colonized roots via mantle in ECMs and extraradical mycelia for increased absorption

surface and microbial colonization platform, and (4) generating competitive advantage

between interacting microbial species in the immediate microscale distance.
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12.7 Phytoremediation

Phytoremediation is the use of plants to extract, sequester, and detoxify pollutants

from contaminated ecosystems. It was once regarded as an effective, nonintrusive,

inexpensive, and socially accepted technology to remediate polluted soils. Plants

that are growing in mine sites are usually tolerant to heavy metals. Plants that

survive on metalliferous soils can be grouped into one of three categories:

(1) excluders, where metal concentrations in the shoots are maintained up to a

critical value at a low level across a wide range of metal concentrations in soil

(Baker and Brooks 1989); (2) accumulators, where metals are concentrated in

aboveground plant parts from low to high soil concentrations (Baker and Brooks

1989); and (3) indicators, where internal concentrations in the plant reflect external

levels such as soil concentrations (McGrath and Zhao 2003). However, heavy metal

tolerance in all these plants is heavily dependent on various biological, chemical,

and physiological adaptations in contaminated sites. Mycorrhizal formation in

plants may contribute by providing a metal excluder barrier and improving

nutritional status (Turnau et al. 1993; Wissenhorn et al. 1995). Severe metal

pollution does have an evolutionary impact on the plant mycorrhizal interaction.

Evolutionary adaptation of these AM-colonized plants to the polluted conditions

can be accepted based on numerous lines of evidence, including genetic variation in

tolerance, habitability of tolerance, higher fitness of tolerant individuals on polluted

sites, and higher fitness of non-tolerant individuals on unpolluted sites. Therefore,

the AM-colonized plant grown on mine sites has its own survival strategy such as

chelating heavy metals by forming organic complexes by creating a symbiotic

relationship with mycorrhizal fungi. It is a fact that mycorrhizal fungi are associated

with a majority of the plants in the industrially polluted sites and support plant

survival in acidic soils polluted with industrial effluent containing heavy metals.

However, the interrelationship between indigenous fungi and heavy metal accumu-

lation in plants and also in mycorrhizosphere soil is not known.

12.8 AM Fungal Spores as Bioindicators and Biomonitors

of Contaminating Heavy Metals

Recent studies have shown that ecosystems are constantly contaminated through

wet and dry deposition of atmospheric pollutants such as gases, heavy metals, and

radioactive isotopes. Studies with pollutants applied singly in controlled fumigation

or mixed with soil provide the basis for much of our present understanding of the

effects of gases, toxic metals, and contaminants on plants. Additional studies have

shown that effects of any particular pollutant on plants may not necessarily be

similar to those when it is applied simultaneously or in combination with other

pollutants (Runeckles 1984). Increased mining activities as well as disposal of

increasing quantities of waste containing heavy metals and use of fossil fuels
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introduce considerable amounts of contaminating pollutants to ecosystems (Ritchie

and Thingvold 1985; Baes and McLaughlin 1987). Although adverse effects of

toxic metals on pollen germination, seedling growth, and revegetation schemes are

known nowadays, many plants are capable of ameliorating such contaminations to a

certain extent (Marx and Artman 1979; Seaward and Richardson 1990; Wissenhorn

et al. 1994, 1995). Further research has shown that symbiotic relationships of

plants, such as mycorrhizae, play a significant part in stabilization and biodegrada-

tion of toxic metal compounds and amelioration of contaminated ecosystems (Tam

and Griffith 1993; Tam 1995; Baghvardani 1997; Baghvardani and Zare-maivan

1998). Tam (1995) investigated heavy metal tolerance by ectomycorrhizal fungi

and metal amelioration by Pisolithus tinctorius in vitro. Baghvardani and Zare-

maivan (1998) showed that as many as 18 heavy and radioactive metals were

adsorbed by mycorrhizal fungi in two separated field investigations on the

Hyrcanian broadleaf forests of Iran. Natural occurrence of some radioactive and

heavy metals in parts of Hyrcanian forests, south of Caspian Sea, prompted the idea

of this research with the following objectives: (1) to determine differences in

capability of adsorbing radioactive and heavy metals by AM fungal species isolated

from naturally contaminated forest soil and (2) to determine effects fungal commu-

nity composition might have on metal adsorbing capability.

In recent decades, interest to having healthy environment has increased.

Phytoremediation of contaminated sites, abandoned mining areas, and waste dis-

posal landfills is taking place widely in many parts of the world. Similarly,

application of biomonitoring techniques is expanding in many aquatic and terres-

trial ecosystems. Access to new, accurate, fast, and reliable techniques, such as that

of Mc Kenny and Donald (1987), has always been appealing to scientists and

environmental managers. For example, indicator species have been one of

approaches taken by many researchers and environmental decision makers for

environment impact assessments of contaminated or disturbed ecosystems.

Mycorrhizal fungi have been used extensively in mine reclamation and landfill

reforestation. These fungi have been indicated as biotracers, bioaccumulators, and

biodegraders of toxic compounds. For example, adsorption of radioactive isotopes

and heavy metals has been demonstrated in Caspian (Hyrcanian) deciduous forests

of Iran (Baghvardani 1997; Baghvardani and Zare-maivan 1998). These researchers

investigated capability of AM spores adsorption in areas of high background

radiation near Ramsar, a city located on the southern coast of the Caspian Sea

and on northern slopes of the Alborz mountain ranges, Iran, and well known for its

higher background radiation which is usually five times higher than the

20 mSv year�1 that is permitted for radiation workers. Tam (1995) indicated the

capability of ectomycorrhizal fungus Pisolithus tinctorius for amelioration of heavy

metal contaminated sites (Vare 1990; Tam 1995) and involves extrahyphal muci-

laginous substances (Denny andWilkins 1987a, b; Tam 1995) or chelators (Bradley

et al. 1982). Brown and Wilkins (1985) investigated the bioavailability and uptake

of heavy metals by AM fungi in areas polluted via atmospheric depositions from a

smelter or from a waste sludge. In this study, however, adsorption capability of

various species of AM fungi exposed to naturally occurring chronic heavy metal
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contamination and background radiation was investigated. Many researchers have

indicated that heavy metal uptake in mycorrhizal fungal species is achieved by

polyphosphate linkage of copper and zinc (Vare 1990; Tam 1995) and involves

extrahyphal mucilaginous substances (Denny and Wilkins 1987a, b; Tam 1995) or

chelators (Bradley et al. 1982; Brown and Wilkins 1985). Findings of this research,

however, indicated that spore surface and ornamentation contributed to metal

adsorption capability of AM fungal spores. G. multicaule, for instance, with its

larger and highly ornamented spores, demonstrated the highest adsorption readings

of many cations. Therefore, adsorbing range of heavy and radioactive metals may

be species specific and within a certain range of tolerance. There are many ways

that one can measure and track pollutants of greater concentration in the environ-

ment; however, AM spores can be used as bioindicators of traces of contaminating

metals and as biomonitors for fluctuations in the concentration of metals through-

out the year, particularly in environments with definite arid and wet or warm and

cold seasons. Further research regarding the mechanisms of amelioration of

contaminating metals and adaptation to chronic background radioactive radiation

is necessary.

In recent decades, a great attention has been paid to the problem of radioactive

and heavy waste disposals. Trace and heavy metal depositions in sediments and

metal accumulation in forest soils suggest that forests have been exposed increas-

ingly to greater concentrations of atmospheric pollutants (Baes and McLaughlin

1987). It has been shown that severe contamination by pollutants such as heavy

metals can result in pollen malfunctioning and seedling mortality and thus in

several decades cause delays in revegetation schemes (Ritchie and Thingvold

1985). Similarly, it has been known for long that exposure to radioactive waste or

radiation, such as that from Chernobyl and Fukushima, Japan, power plant accident,

contaminates environment and affects genetic material of impacted species. This, in

turn, influences plant species composition and process of succession in impacted

ecosystems. In contrast, many fungal species exhibit tolerance to radioactive and

heavy metals in concentrations that normally can be toxic to higher plants (Tam

1995). Similarly, mycorrhizal fungi have also been shown to accumulate a greater

concentration of heavy metals. For example, Bargagli and Baldi (1984)

demonstrated that mycorrhizal fungi could accumulate up to 63 times the concen-

tration of mercury in soil from a mercury mining area. Chemical analysis of

shortleaf pine tree cores from east Tennessee, USA (Baes and McLaughlin 1987),

and of Ziziphus trees from Hormozgan Province, Iran (Korury et al. 1999), have

shown trace metal accumulation in tree rings with local and regional increase in

combustion of fossil fuels. Crowded roadsides, reclaimed areas, and landfills

exhibit greater concentration of heavy metals, particularly lead, copper, zinc, and

nickel (Seaward and Richardson 1990). Revegetation of such areas usually requires

planting of mycorrhizal plant species. Such a phytoremediation practice has

become common in many parts of the world; however, there are dense deciduous

forest ecosystems, for example, Caspian forest near Ramsar in Northern Iran,

whereby radioactive and heavy metals occur naturally (Baghvardani and Zare-

maivan 1998). Previous studies by Akbarloo (1994), Nourbakhsh (1994), and
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Nourbakhsh and Zare-maivan (1995) demonstrated the widespread occurrence of

mycorrhizae in plant communities south of Caspian Sea. These authors indicated

that there was a succession pattern of vegetation from seaside toward upper

mountains.

Salt-tolerant aquatic weeds dominated sandy coastal areas followed by grasses,

shrubs, and trees as distance from the coast and altitude from sea level increased.

Accordingly, there was a mycorrhizal succession pattern, with no mycorrhizae on

aquatic weeds, endomycorrhizae on grasses and few shrub species and

ectomycorrhizae on tree species. Occurrence of mycorrhizal propagules has been

reported in contaminated sites by many researchers (Marx and Artman 1979;

Wissenhorn et al. 1994, 1995). Previous research indicated that ectomycorrhizal

fungi were capable of establishing symbiotic relationship with various Eucalypt,

pine, beech, and oak tree species (Marx and Artman 1979; Zare-maivan 1983; Chan

and Griffith 1991; Tam and Griffith 1993). Also, research has shown that

polyphosphate granules may be responsible for detoxification of radioactive and

heavy metals at high concentrations; for example, Vare (1990) demonstrated that

aluminum polyphosphate granules were located in the ectomycorrhizal fungus,

Suillus variegatus. Tam (1995) also demonstrated through polyphosphate linkage

of copper and zinc and by energy dispersive X-ray spectroscopy that heavy metal

amelioration mechanism in the metal-tolerant fungal species, Pisolithus tinctorius,
involved extrahyphal slime. Amelioration of heavy metals by mycorrhizal fungi

improves plant species ability to establish in new environments. This might explain,

to some extent, why so many plant species are mycorrhizal. In this context, while

the possibility that forest trees may be important indicators of trends in atmospheric

deposition of pollutants (Baes and McLaughlin 1987; Korury et al. 1999) offers a

potentially useful tool for regressing historical trends and characterizing of metal

depositions in an area, there is far less knowledge regarding the role of mycorrhizal

fungi for metal accumulation in natural ecosystems. Natural occurrence of unex-

pected concentrations of radioactive and heavy metals and dense and diverse

vegetation in parts of Hyrcanian (Caspian) forest prompted the idea of present

investigation. The purpose of this study was first to determine the accumulation

(adsorption) spectrum of radioactive and heavy metals by mycorrhizal fungal

structures in nature and second to examine the trend in succession of metal

adsorption along the succession gradient of plant communities.

Vegetation and mycorrhizae succession have been investigated in Kheiroud Kenar

region (Assadi 1984; Nourbakhsh and Zare-maivan 1995) which is in general

agreement with succession pattern of vegetation in South Caspian Sea forest realm.

Succession pattern of mycorrhizae in this ecosystem follows general trend observed

elsewherewith similar climatic and edaphic conditions (Barbour et al. 1999). Presence

of barium and chloride in soil and mycorrhizal propagules, respectively, indicated the

intrusion of marine water into sandy coastal areas; however, presence of eight

radioactive and heavy metals on mycorrhizal plants in coastal area demonstrated the

capability of mycorrhizal propagules as potential bioaccumulators and, therefore, as

bioindicators of contaminating pollutants. This finding is supported further by the fact

that similar trends are seen in other plant communities along the succession gradient.
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Except for the coastal sand in station 1 which exhibited only barium, soil in all other

stations contained three to five elements. This might be attributed to presence of clay

particles in soil; because, it is widely accepted that cations have a greater tendency to

be adsorbed to clay particles. Sincemycorrhizal propagules throughout the succession

gradient have greater number of elements on them than that in soil, presumably, it

seems that presence of mycorrhizae might have contributed to the ability of plant

species to tolerate radioactive and heavy metals more extensively. Availability of

sufficient nutrients and chronic exposure to radioactive and heavy metals may have

been responsible for this adaptation. Adaptive response in humans can be induced by

chronic exposure to natural background radiation as opposed to acute exposure to

higher levels of radiation in the laboratory. Our knowledge of prevalence of adaptive

response phenomenon in the Hyrcanian (Caspian) forest ecosystems is minimal and

needs further research. There are many radioactive and heavy metals in the mycorrhi-

zosphere on all sites. Many of these elements are known to be toxic and have adverse

effects on plant growth and regeneration; for example, presence of aluminum in forest

soil and on mycorrhizal propagules indicates its potential adverse effects on forest

trees.Aluminum reduces root growth and limits availability of essential plant nutrients

such as phosphorus and calcium. Favoring role of mycorrhizae for facilitated absorp-

tion of nutrients in phosphorus poor soils and in reclaimed mining areas has been

indicated frequently in the literature (Marx and Artman 1979; Zare-maivan 1983;

Marshner and Dell 1994). Therefore, planting mycorrhizal plant species for

phytoremediation of aluminum and other metal contaminated sites becomes a formi-

dable possibility. Presence of radioactive metals on ectomycorrhizal roots of

Hyrcanian forest trees has been indicated in the past (Baghvardani and Zare-maivan

1998). Previous research has demonstrated that ectomycorrhizal fungi improve metal

tolerance of their host plant by primarily accumulating metals in the extra-matrical

hyphae and extrahyphal slime (Brown and Wilkins 1985; Denny and Wilkins 1987a,

b; Tam 1995). Prevalence ofmycorrhizae has been indicated in Hyrcanian forest plant

communities recently (Nourbakhsh and Zare-maivan 1995; Baghvardani and Zare-

maivan 1998). Findings of this research showed that many herbaceous and shrubby

plants were AM and all other tree species were ectomycorrhizal. Considering the fact

that occurrence of high levels of natural background radiation has been reported by

Baghvardani and Zare-maivan (2000) for Ramsar, a city located about 60 km west of

Kherood Kenar Forest Research Station (KKFR) station, this research implicates

KKFR as well. However, scale of this study does not permit one to draw a compre-

hensive conclusion before further research is undertaken. Widespread occurrence of

contaminatingmetals onmycorrhizal plants and in greater frequencies than that in soil

throughout the succession gradient suggest the possibility of application of mycorrhi-

zal propagules for identifying (and quantifying) radioactive and heavy metals. There-

fore, a reliable and accurate technique is at hand to biomonitor traces of contaminating

elements and to show trends in contaminant depositions. However, there are substan-

tial gaps in our understanding of the linkages between metal inputs to ecosystems and

their uptake by trees or by their mycorrhizal symbionts. Similarly, the possible role of

mycorrhizal fungi in the metal tolerance of higher plants and mechanism of detoxifi-

cation and biodegradation of toxic elements and tolerance limits bymycorrhizal fungi
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is poorly understood. But natural occurrence of such elements and high background

radiation in parts of Caspian (Hyrcanian) forest in Iran provides a very opportunistic

situation for further and more detailed studies.

12.9 Future Perspective

Evolutionary biology and ecology of plant species has broaden our knowledge of

origin and adaptive capability of plants and symbiosis in plant ecosystems in the

past. Using mycorrhizal plants in phytoremediation practices in contaminated sites

has been an effective restoration tool in many parts of the world. As such, taking

advantage of mycorrhizal fungal spores or mycelial structures for tracing residual

and chronic distribution of contaminating elements would provide an efficient and

less costly way of decision making for environmental managers. For those inter-

ested in the world geological and ecosystem development, perhaps mycorrhizal

propagules and their functioning under different magnetic fields of the earth

throughout the geologic time could prove a useful research tool.
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Part IV

Mycoremediation: Agricultural and Forest
Ecosystem Sustainability



Chapter 13

Upscaling the Biogeochemical Role

of Arbuscular Mycorrhizal Fungi

in Metal Mobility

A. Neagoe, Virgil Iordache, and Erika Kothe

13.1 Introduction

The target of environmental management is to optimize the production of natural

resources and services at scales relevant for humans (usually environmental man-

agement units like ecosystems—104–106 m2, simple landscapes (106–108 m2), and

larger landscapes—river basins and ecoregions). The operational measures of such

management require knowledge about the role of each species. In order to describe

this role, one can use the term service production unit (SPU, Luck et al. 2003)

referring to an aggregate of populations of a certain species or to a part of such a

population directly involved in the production of a certain natural service or

resource. The scale of an SPU is usually different from that of the environmental

management units (either smaller or larger), and when the scale is of the same

order, the SPU does not exactly overlap in space with the institutionally delineated

environmental management unit. In the case of small-scale organisms like fungi,

one is additionally confronted with the problems inherent to upscaling the scientific

knowledge on the role of fungi from the scale of the SPU to the scale of the

management units.

Usually, natural services are related to the production of natural resources as

structural elements of the ecosystems (e.g., renewable resources provided by a forest)
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and about services related to other functions of the ecosystems (e.g., hydrological or

biogeochemical services). In this chapter, we focused on some of the biogeochemical

services supported by AMF and on the methodology of their evaluation. However,

the mentioned analytical and managerial distinction between types of services is not

supported by a more basic insight in what happens in an ecosystem, because the

production of biomass (supporting the exploitation of renewable resources) is insep-

arable from the circulation of substances, as well as energy between abiotic and biotic

compartments (supporting the biogeochemical services).

Scientific disciplines dealing with element cycling and its effects on ecosystems

can be seen to have developed in two historical phases. During the first, biogeo-

chemistry has been conceived as a discipline dealing with ecosystem element

cycling (pool and flux approach), where the cycling of each element was analyzed

separately. In the particular case of toxic elements, like heavy metals or organic

pollutants, one would have to firstly describe the cycling of these substances in

ecosystems and then (in the frame of a separate scientific discipline, ecotoxicology)

to describe their effects on the functioning of ecosystems. The basic problem with

this approach is that the circulation by organisms (and their role as reservoirs of

elements in the cycling of elements) is not separable from the effects of the

elements taken up on the production of biomass, in particular from the ecotoxico-

logical effects of toxic elements or substances. As a reaction to the limitations of

this approach, there are holistic proposals (in systems ecology line of thought) that

biogeochemistry is a part of ecotoxicology (or vice versa, depending on the

institutional location of the researchers developing the ideas) and that the method-

ology should approach at the ecosystems scale both the circulation and the effects

of elements. From a basic science point of view, the problem with this second

approach is that ecosystems are concepts imposing a scale of analyses relevant for

human management interests and not giving the attention due to the scale of each

group of organisms (the role of organisms is evaluated directly at the scale of

management units without an explicit upscaling or downscaling from the specific

scale of the SPU, Iordache et al. 2011). Also, the partial decoupling between

processes occurring at different scales in an environmental management unit and

the multi-scale character of the ecosystems are ignored in the traditional (holistic

systems analyses) research methodology of this approach (Iordache et al. 2012).

From a practical point of view, this holistic variant of biogeochemistry (or ecotoxi-

cology) is not workable because it tends to overconcentrate the existing resources in

single large-scale projects (and for this reason faces institutional resistance) and, in

the frequent case of resource scarcity, may also lead to a superficial (from a good

science standards perspective) approach of the SPU scale mechanisms involved in

the functioning of ecosystems.

In this context, we introduced elsewhere (Iordache et al. 2012) a concept for the

role of an organism in the mobility of elements giving attention to its specific scale as

follows: “By role of a variable in the mobility of elements, we understand the causal

influence of a variable in a coupling mechanism in producing the outcome of a

process involving it. The role of a subsystem of the coupled entities (characterized by

a variable) is specific to the coupling scale. The fluxes resulted from this role at the
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coupling scale propagate to larger or smaller scales (these effects at distance could

eventually be labeled as indirect roles).” Characterizing the direct role is a matter of

understanding the functioning of the SPU, and characterizing the indirect role at

ecosystem scale is a matter, for small-scale organisms like fungi, of upscaling from

the SPU scale to the ecosystem scale. In this framework, one can recover a part of the

holistic idea. Characterizing the direct role supposes the construction of a minimal

homomorphic model of the SPU (e.g., Iordache et al. 2011 for ectomycorrhizal

fungi), much less complex than a model of an environmental management unit

(ecosystem), which makes the approach workable from a practical point of view. It

also supposes the integrated research of the circulation of elements as resources (or

toxicants) by the target organisms and the other environmental objects directly

interacting with the target organisms. The study of the circulation of elements and

substances is put in the frame of their effects on the biomass production of the target

organisms. In the particular case of heavy metals (HM) from contaminated areas,

implications are that the ecotoxicological effects of metals on mycorrhizal plants are

not studied separately from their circulation and, for instance, from the effects of

macronutrients like nitrogen and phosphorus (at least as a research program) or any

other significant resources needed for the functioning of the fungi–plant systems. To

give a name to this approach, we call it objective scale integrated biogeochemistry
(OSIB). We mean here by “objective” that the scale of analysis is imposed by the

environmental objects involved in the cycling, and not by an a priori delineation of

environmental management units (ecosystems) based on human (institutional)

interests. By integrated, we refer to the integrated investigation of the fluxes of

nutrients and toxic elements through the target organisms and through the biotic

and abiotic compartments directly connected with them. OSIB is contrasted to

institutional scale integrated biogeochemistry (the holistic approach described

above) and with classic biogeochemistry (by element).

The question tackled is to what extent the existing knowledge on AMF allows an

OSIB approach of the role of AMF in the mobility of metals in contaminated areas.

We start by surveying the existing knowledge about AMF, describe the structure of

an ideal methodology for investigating the biogeochemical role of AMF, show how

the limits of the existing knowledge impact on the implementation of the ideal

methodology, and propose an operational methodology and illustrate it with some

of our research results.

13.2 Survey of the Literature on AMF

The recent secondary literature (review type and meta-analyses) directly and indirectly

relevant for an assessment of the biogeochemical role of AMF is large (Table 13.1).

From taxonomic to structural and functional aspects, comprehensive reviews are

available. Especially striking is the large body of recent reviews concerning the

influence of AMF on plants growing in areas contaminated with metals, in the context

of phytoremediation studies, the focus of our interest in this chapter.
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Table 13.1 Reviews and chapters relevant for the biogeochemical role of AMF (use of AMF in

agriculture and organic farming not included)

Topic Review or chapter

Basic issues

Species, individuals, populations and

communities, hyphal networks of AMF

Taylor et al. (2000), Glass et al. (2004), Rosendahl

(2008), and Young (2009)

Evolutionary ecology of AMF selection Cairney (2000), Mehard and Cairney (2000),

Helgason and Fitter (2009), and Hartmann et al.

(2009)

Succession of AMF Hart et al. (2001) and Piotrowski and Rillig (2008)

Interaction with other environmental objects

Interactions with bacteria Boer et al. (2005) and Bonfante and Anca (2009)

Interactions with rocks and minerals Hoffland et al. (2004), Gadd (2007, 2010), Rosling

et al. (2009), and Martino and Perotto (2010)

Influence on aboveground consumers Moore et al. (2003), Gehring and Bennett (2009), and

Koricheva et al. (2009)

Interaction with genetically modified

plants

Liu (2010)

Use of AMF for induced phytoextraction

of metals

Lebeau et al. (2008, 2011)

Effects on ecological processes

Processes and functions of AMF in

ecosystems

Allen et al. (2003), Rillig (2004), Simard and Durall

(2004), Goltapeh et al. (2008), and Garg and

Chandel (2011)

Role of AMF in water circulation Auge (2001) and Allen (2007, 2009, 2010)

Role of AMF in phosphorous cycling Jansa et al. (2011)

Effect of AMF on plant root systems Berta et al. (2002) and Hodge et al. (2009)

Effect of AMF on soil structure, glomalin Rillig and Mammey (2006) and Treseder and Turner

(2007)

Scale and modeling

Scale of AMF, heterogeneity in space, and

modeling

Miller and Kling (2000), Johnson et al. (2006),

Chaudhary et al. (2008), Wolfe et al. (2009), and

Johnson (2010)

Biogeochemistry of trace elements, ecotoxicology, and management of contaminated sites

Effects of metals on AMF Pawlowska and Charvat (2004) and Gadd (2005)

Effect of AMF on translocation of metals

from soil to plants

Audet and Charest (2007a, b, 2008)

Effect of AMF on improving trace

elements deficiency

Cavagnaro (2008)

Effect of AMF on heavy metal tolerance of

plants, use in phytoremediation

McGrath et al. (2001), Khan (2005, 2006),

Hullebusch et al. (2005), Göhre and Paszkowski

(2006), Hildebrandt et al. (2007), Mathur et al.

(2007), Giasson et al. (2008), Gamalero et al.

(2009), Khan et al. (2009), Wenzel (2009), Smith

et al. (2010), Vamerali et al. (2010), and Turnau

et al. (2010)

Effect of AMF on organic pollutants, use

in phytoremediation

Leyval et al. (2002), Brar et al. 2006, and Joner and

Leyval (2009)
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On the other hand, if one looks only at biogeochemical studies done in

an ecosystem (holistic) paradigm, for instance, by searching for the keyword

“arbuscular” in the online versions of the journals Biogeochemistry and Ecosystems,

with the purpose to identify articles about the role of AMF in metal biogeochemistry,

the picture is different. At the date of our search, there were 24 primary literature

articles dealing with AMF in the whole collection of Biogeochemistry, of which 12

related to nitrogen; 3 to organic matter and carbon; 4 to carbon and nitrogen; one to

organic matter and minerals; 1 to carbon and phosphorous; 2 to carbon, nitrogen, and

phosphorus; and one to nitrogen, phosphorous, and sulfur. In the journal Ecosystems,

we found 15 articles, most of them dealing with nitrogen and carbon and several with

disturbances not related to the contamination with metals. Complementary, we

searched for the same key term in two ecotoxicological journals: Ecotoxicology,

and Environmental Toxicology and Chemistry. We found only 8 articles in the first

journal and 13 in the second one, ofwhich about halfwere dealingwithmetals, usually

in an experimental setting. One can conclude that the information about the role of

AMF in holistic (large-scale) type approaches of metal biogeochemistry was lacking

at the level of January 2011. Despite the large apparent interest on their use in

phytoremediation of contaminated areas, most of the information is at small scale.

The roles of AMF in the mobility of metals based on this literature can be synthesized

in Table 13.2 (adapted fromNeagoe et al. 2012; details in Sect. 13.2.1 of this chapter).

The problematic situation of basic issues like identifying individuals, populations,

and communities (reviewed by Rosendahl 2008) should also be underlined, because it

has profound effects on the practicability of a systems ecology type approach with

respect to the role of AMF and on themethodology of upscaling the information about

functions at small scale to functions at large scale. Currently, we do not have

methodological access to the delineation of AMF physiological individuals in space

in real field ecosystems, and implicitly, we cannot have true estimations of the number

of individuals in populations and the numeric and biomass abundances in

communities needed for characterizing succession changes, as we do for aboveground

communities. The situation seems to be worse than that for ectomycorrhizal fungi

(Iordache et al. 2011). In this context, the discussions about the succession of AMF,

and the influence of AMF on plant succession, should be interpreted keeping in mind

the basic problems outlined above. Although soil pH, nutrients and organic matter, as

well as plant community structural changes are considered to be the most important

drivers of AMF succession (Piotrowski and Rillig 2008), and the role of AMF

especially in primary succession has been proven (Gange et al. 1993), it is not yet

clear at what scale these statements hold up in real systems.

Before exploring the consequences of these limitations in knowledge on the

possibility to characterize the role of AMF in the frame of an objective scale

integrated biogeochemistry, we provide some extra information on the available

knowledge concerning the influence of AMF on the transfer of metals to plants and

to lower soil layers.
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13.2.1 Influence of AM Fungi on the Bioaccumulation of Heavy
Metals in Plants

In the last decade, a vast number of publications on the effect of AMF on the uptake

of HM by plants became available. Interestingly, this effect is not uniform; both

stimulation and inhibition of uptake have been reported. The outcome depends on

the selected plants, the species, and strain of the fungus used; on the degree of

pollution; and on the pollutant’s binding capacity to soil constituents. In particular,

heavy metals (HM) have been shown to have positive, negative, or neutral effects

on mycorrhizal colonization in soil or culture solution, depending on their host

plants. Metal accumulation by plant shoots is reported to be lower under elevated

soil metal concentrations or higher under normal metal conditions (Toler et al.

2005); when this is applied to phytoremediation technologies using AMF, HM from

polluted areas, in the majority of cases, were retained in the rhizosphere. The

retention capacity differs as a function of the degree of pollution and of the nature

of the element. In such cases, HM are not accumulated in big quantities in the

aboveground part of plants, although the root absorption area can increase up to 47-

fold using mycorrhizal fungi (Turnau et al. 2006 after Smith and Read 1997; Soares

and Siqueira 2008). Metal acquisition by plants is reduced, and plant growth is

enhanced; thus, metal dilution occurs in plant tissue as a consequence of increased

root or shoot growth, but also due to the HM uptake, reduction, exclusion by

precipitation, or chelation in the rhizosphere system, and also due to the phosphorus

(P)-mediated effects on the host plants (Soares and Siqueira 2008).

The influence of AMF on metal plant uptake depends on many factors such as

“fungal genotype, uptake of metal by plant via AM symbiosis, root length density,

competition between AMF communities, seasonal variation in AM, association

with soil microorganisms, chemical properties of the soil outside the rhizosphere

(pH, CEC, etc.), the metal itself, concentrations of available metals, soil contami-

nation conditions (contaminated or artificially contaminated vs. non-contaminated

soil, interactions between P and metals (addition of P fertilizers), experimental

conditions (light intensity, plant growth stage, available N and P), litter inputs, plant

species and plant size” (Giasson et al. 2008). The toxic effect could be diminished

by covalent binding, compartmentalization, or extrusion; moreover, a physico-

chemical barrier can be formed to protect crucial organs from toxicity (avoidance),

or prevention of HM uptake by excluder plant species, HM precipitation on the

surface of extraradical mycelium, production of metallothioneins (metal-binding

proteins), and metabolism alterations like increasing production of scavengers for

reactive oxygen such as proline through symbiotic fungi are known. None of these

mechanisms so far have been proven with molecular techniques (Giasson et al.

2008; Turnau et al. 2010).

According to Gadd (2005), both live and dead components of the fungal cell wall

can be involved in HM binding with help of free amino, hydroxyl, carboxyl, and

other groups. AMF form extraradical mycelium and intraradical hyphae that pene-

trate the intercellular spaces and enter cortical root cells. In the case of reduction of
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HM uptake, an important role in retention, binding, and immobilization seems to be

associated to fungal vacuoles. They are involved in the regulation of cytosolic metal

ion concentrations and the detoxification of potentially toxic metal ions (Gadd

2005). The fungal cell walls, respectively, chitin and glomalin from the fungal

wall (Christie et al. 2004), are also important due to the presence of free amino,

hydroxyl, carboxyl, and other functional groups (Gadd 1993, 2005; Kapoor and

Viraraghavan 1995). While chitin is an important component of fungal cell walls

acting as an effective biosorbent for radionuclides (Tobin et al. 1994), glomalin is a

glycoprotein produced by the hyphae of AMF. It plays an important role in fungal

physiology and in the soil environment with a negative effect on soil aggregate

stability. It seems to be efficient in sorbing potentially toxic elements by

sequestering As, Cu, Cd, Zn, Pb (Alexander 1994; Gonzalez-Chavez et al. 2004;

Carrasco et al. 2009), Cr (Alexander 1994; Estaún et al. 2010), Hg (Alexander

1994; Yu et al. 2010), etc., and reducing the level of toxicity in soil by converting

HM into their organic form thus making them more bioavailable. As already noted,

the toxic effect of metals entering into the cells can be counteracted by synthesizing

complex organic molecules such as metallothioneins and phytochelatins or HM

transporters of various families (Turnau et al. 2010 citing Hall 2002). Van Keulen

et al. (2008) described some advanced proteomic studies in which an array of

proteins was found to be expressed under stress conditions including chitinases.

HM enter the roots, where are deposited mainly in the inner root parenchyma

cells. There also are most of the fungal structures (intraradical hyphae, arbuscules,

and vesicles) in which metals can be stored (Turnau 1998). Due to their potential in

sequestering HM, AM fungi play a significant ecological role in phytostabilization

of toxic HM in polluted soils and, at the same time, help mycorrhizal plants to

survive in these hostile soils. The migration of HM is prevented also by microbial

production of organic acids, acid phosphatases, or pigments which precipitate HM

outside of the mycelium (Turnau and Dexheimer 1995). To that end, chelation of

metals is possible with the help of different compounds excreted from the

extraradical mycelium of mycorrhizal fungi (Turnau et al. 2006) or by metal

retention in the root system, a result of surface complexation of metals with

cysteine-containing ligands of fungal proteins, a phenomenon which seems to

play an important role in resistance of plants to heavy metals (Christie et al. 2004).

Water deficiency is a parameter which may affect the intra- and extraradical

development of AMF through a decrease in plant photosynthesis and stomatal

closure, leading to a decreased supply of the fungal symbiont with carbohydrates.

A low soil moisture regime leads also to a decrease in phosphorus and other major

nutritional elements in plants lowering in turn plant biomass production and

increasing concentrations of HM in planta. In this case, HM can be bound within

the AMF cells to metallothionein or be stored in vacuoles (Neumann et al. 2009).

In conclusion, as Vamerali et al. (2010) underlined, the beneficial effect of AMF

on HM uptake into plants consists of a higher biomass production which could lead

to a metal “dilution effect,” an increase in HM plant tolerance, as well as a greater

HM concentrations in plant tissues. However, information about the variability in

space of these effects in large-scale contaminated ecosystems is lacking.
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13.2.2 Particular Effects of AM Fungi on Different HM

AMF inoculation with or without fertilizer application leads to a decrease of

toxicity symptoms of plants. It is well documented that AMF and P nutrition can

produce larger plant biomass with a resulting “growth dilution” effect. Thus, shoots

As concentrations are slightly reduced and soil inorganic As is transformed into the

less toxic organic form by AMF (Adriano 2001; Ultra et al. 2007). Inorganic arsenic

(e.g., arsenite, arsenate) is very toxic for membranes and can also inhibit seed

germination or lead to death of plant cells (Barua et al. 2010 after Carbonell et al.

1998). Giasson et al. (2008) noted that arsenate may be accumulated in the

cytoplasm in the same way as polyphosphates. There are more studies in which

clear indications are given for mycorrhizal inoculation reducing harmful effects of

arsenic on the initial growth of different plant species improving plant tolerance to

toxicity (Sanon et al. 2006; Chern et al. 2007; Ultra et al. 2007). The tolerance to

arsenic toxicity is variable from one plant species to another. Moreover, a low level

of As has been found to stimulate plant growth in spite of the fact that As is not a

nutritional element for plants. Barua et al. (2010) underlined that plant roots contain

higher proportion of arsenic than any other plant parts. Under As exposure, the

length of roots is reduced and thus the spreading of plants is disturbed. High arsenic

contamination in soil, however, leads to a strong growth suppression, stopping the

normal functioning of roots (e.g., water transport, gas diffusion, and nutrient

uptake) in addition to the shorter roots and disassembled root cap (Ahmed et al.

2006). In the presence of AMF, the biomass production was increased up to 2.4

times due to a better root development. Chemical changes of root exudates under

AMF action provided conditions for more mycelium to develop, while they act as

nutrient source for rhizosphere microorganisms (Leung et al. 2006; Ultra et al.

2007). Barua et al. (2010) underlined the increase of roots as a result of AMF

association with plants, after the transformation of As from inorganic to organic

forms by biomethylation. Dimethylarsine was detected in colonized Pteris vittata
but also in other plant species, and the mycorrhization was not inhibited by As

(Liu et al. 2005; Gadd 2005; Ultra et al. 2007; Giasson et al. 2008).

The alleviation of Zn toxicity toward plants by using AMF was reported in

Christie et al. (2004) and Chen et al. (2004), and this phenomenon was shown to be

dependent on direct and indirect mechanisms. As an example for a direct mecha-

nism, Zn was bound in mycorrhizal structures and immobilized in mycorrhi-

zosphere, while for an indirect effect, an influence of mycorrhiza on the plant’s

mineral nutrition, especially for P, leads to increased plant growth and enhanced

metal tolerance. The mobility of Zn is greatly affected by the changes in soil pH.

The Zn immobilization through the fungal activity might be an effect of these

changes, contributing to the inhibition of Zn uptake into the mycorrhizal plant by

storage in the arbuscules but also in hyphae (Christie et al. 2004). In highly

contaminated soil, Zn was found in higher concentration in roots, while a decrease

in the shoots was seen as an effect of AMF. When Zn amounts in soil increased, a

critical threshold exists, below which Zn uptake is enhanced, while above this level
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Zn translocation to the aboveground parts of host plants is inhibited. In some plant

species, higher translocation rates may occur, but at the cost of poor plant biomass

development and probable early death of the individuals (Chen et al. 2005b).

Giasson et al. (2008) found that ZnCO3 can be solubilized by hyphae and Zn is

then translocated into the plant roots. Chen et al. (2004) provided information about

the effects of chelating agents such as EDTA on mycorrhizal development and on

Zn uptake in plants. It is known that EDTA application on a polluted soil leads to

the release of absorbed HM increasing the mobility of metals in the soil. In the case

of AMF inoculation, the uptake differed in function of the soil Zn. In general,

mycorrhizal colonization decreased both deficiency and the effects of pollution

with Zn. However, neither EDTA nor AM colonization stimulated Zn translocation

from roots to shoots. In conclusion, the combined effects of both did not promote

metal removal from the soil. Zn depositions were found in spores of Glomus
intraradices in the periplasmic space between the inner layer of the wall and the

plasmalemma. The fungal alkaline phosphatase activity as an indicator of fungal

viability was strongly reduced in the presence of EDTA, also affecting Zn uptake

(Turnau et al. 2006). Göhre and Paszkowski (2006) and Cavagnaro (2008) explored

the effects of Zn on the colonization of roots by AMF and the molecular Zn

physiology for both plant and fungal gene products. These authors concluded that

the changes in the Zn status of plants due to AMF colonization were influenced by

the expression of a specific gene of Glomus intraradices. They recommended the

identification of further genes involved in interactions between AMF and Zn, as

well of the factors which control their expression.

Yu et al. (2010) reported that in the case of Hg, the uptake is lower by

mycorrhizal than by non-mycorrhizal roots of maize, and AMF inoculation signifi-

cantly decreased the total and extractable Hg concentrations in soil as well as the

ratio of extractable to total Hg. Calculating mass balances for Hg in soil indicated a

loss of Hg which can be attributed to Hg volatilization as a result of AMF influence.

No significant difference of Hg concentrations was found between mycorrhizal and

non-mycorrhizal shoots of maize which suggest that contribution of root uptake to

shoot accumulation of Hg is very limited. The release of Hg into soil gases or into

the atmosphere is a result of methylation (CH3Hg
+), which leads to phytovolati-

lization, seen also with As and other metalloids (Giasson et al. 2008).

Various studies show that AM symbiosis may alleviate also Cd stress and

decrease Cd uptake by plants growing in contaminated soils. A negative effect of

Cs on root colonization and the development of extraradical mycelium was seen

(Rivera-Becerril et al. 2002; Janoušková et al. 2006; Biró and Takács 2007; de

Andrade and da Silveira 2008; Rashid et al. 2009; Janoušková and Pavlı́ková 2010;

Regvar et al. 2010). Redon et al. (2008) as well as Janoušková and Pavlı́ková (2010)

reported that in the mycorrhizosphere the concentration of Cd was lower as

compared to non-mycorrhizal plants with extraradical hyphae being responsible

for the decrease of Cd toxicity. Janoušková et al. demonstrated in 2006 that

extraradical hyphae have a high Cd-binding capacity which is specific for HM

(Hildebrandt et al. 2007). The toxic and nonessential metal Cd is bound more

strongly to ligands compared with essential metals. This phenomenon leads to the
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displacement of essential metals from their normal sites, and the Cd toxic effect is

exercised by binding to other sites. The small plant peptides called phytochelatins

(PC) which have a protective role in plant cells help Cd to be sequestered via

cysteinyl residues. Similarly, the sequestration of Cd in fungal structures could be

responsible for the retention of Cd in the roots. The molecular responses of AMF

plants to Cd were a research subject for Aloui et al. (2009) who worked at the

proteomic level and found downregulation of several proteins upon Cd stress. Cd

can be also adsorbed on the spores. After saturation of fungi with Cd, increased

translocation of this metal to shoots occurred (Giasson et al. 2008).

It is known that Pb has low mobility (even less than P and Zn) and is strongly

complexed with the organic matter in soil, forming organic complexes which are

unavailable for plants. Similarly, plants possess mechanisms to precipitate Pb in the

rhizosphere, in highly insoluble forms such as PbSO4. However, Pb that has entered

the roots can be sequestrated in fungal vesicles, which can provide an additional

detoxification mechanism. However, sequestration of Pb in roots was not found to

be correlated with an increase in the number of vesicles (Göhre and Paszkowski

2006). Similar results were found by Chen et al. (2005c) where, after growth of

plants in the presence of AMF in an artificially polluted soil, Pb had a positive effect

on vesicular abundance which was not correlated with a lower concentration of Pb

as it was expected. At the same time, enhanced Pb concentrations both in roots and

shoots and a higher root/shoot ratio were found for highly mycorrhizal plant species

(K. striata, I. denticulate, and E. crus-galli var. mitis). Marschner (1995) reported

lower Pb concentration in the cortical cell walls of Norway spruce (Picea abies L.
var. Karst), while Chen et al. (2005c) reported the contrary, an elevated Pb

concentration, and suggested that under this higher concentration of Pb, mycorrhiza

could promote plant growth by increasing P uptake and mitigate Pb toxicity by

sequestrating more Pb in roots. Also, a higher amount of Pb absorbed and

accumulated also in Eucalyptus mycorrhizal variants (Bafeel 2008). The shoot

biomass was higher, while root biomass was significantly lower than those

of non-mycorrhizal trees. Other experimental variants included the growth of

Eucalyptus together with legumes (F. vulgaris) and AMF. This association with

heavy-metal-resistant legume varieties and AMF further increased the positive

effects on shoot biomass and helped to improve the resistance of Eucalyptus to

HM. This effect was correlated to an increase of Pb absorption and accumulation.

An explanation was given with the statement that AMF lead to increased plant

biomass, and thus a larger potential absorption area for Pb, of accessible soil, and a

higher efficiency in hyphal translocation. Similar studies were described in Chen

et al. (2009) and Regvar et al. (2010) who found, however, that the indirect

ordination analysis of restriction fragment length polymorphisms data showed no

statistically significant correlations with environmental gradients.

Estaún et al. (2010) investigated the influence of the AMF Glomus intraradices
(BEG 72) on the transfer of Cr in Plantago lanceolata grown in a high Cr soil.

Although Plantago lanceolata is known to be tolerant toward many environmental

stress factors while showing a high degree of mycorrhization, under Cr pollution,

the plants’ survival decreased quickly. When Cr was supplied as CrCl3, this
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mycorrhizal model plant accumulated Cr, both in the shoots and roots. Therefore,

AMF seem to act as a barrier, decreasing Cr uptake, in comparison to non-

mycorrhizal plants. The effect consisting in a decrease of HM stress is due to

selective immobilization in the root system colonized by the fungus or to a very

high Cr sorption capacity of the extraradical mycelium of the AMF. This mecha-

nism may explain the decrease of HM concentrations in root cells and through a

different allocation of the metal within the root cells may have an effect on fungal

colonization. Similar research was performed also on Helianthus annuus in the

presence of Cr(III) and Cr(VI) with similar results: the uptake of Cr decreased both

in shoots and roots upon mycorrhization (Davies et al. 2001). On the other part, the

non-hyperaccumulator plants tend to avoid Cr uptake and translocation, and in this

case, the higher concentrations are distributed in roots, rather than leave or stem

(Estaún et al. 2010 after Glosh and Sigh 2005). Similar investigations were

performed by Carrasco et al. (2009) who remarked that the soluble content of Cr

in soil was negatively correlated with the glomalin concentration. Testing the

synergistic effect of mycorrhizal and saprobic fungi (Trichoderma pseudokoningii)
on HM uptake into Cynodon dactylon, it was found that the amount of Cr uptake

was highest in dual inocula. Nevertheless, the amount of Cr uptake in single

saprobic fungi was more significant as compared to the mycorrhizal treatment

alone (Bareen and Nazir 2010).

Studies related by Rufyikiri et al. (2004) demonstrated that the mobility of U in

soil depends on the organic compound content, the bioavailability being highly

dependent on soil pH. The same author found that the most mobile U forms are U

(VI) salts, predominantly as UO22+ and carbonate complexes, while other forms are

less bioavailable and remain bound to soil particles. The role of AM fungi in

translocating U as uranyl cations to roots through fungal tissues is related to fungal

mycelium HM-binding capacity (Chen et al. 2005a). Chen et al. (2005b, cited by

Babula et al. 2008) performed and confirmed such studies usingMedicago truncatula
as a model plant, inoculated with Glomus intraradices. They found higher

concentrations of U in roots than in shoots of mycorrhizal plant, suggesting that

the AM fungus has a potential to reduce the translocation of U from roots to shoots.

Some research has been carried out on Cs, with, e.g., Leyval et al. (2002)

reporting that 134Cs radioactivity increased twofold in leaf tissue of Paspalum
notatum in symbiosis with AMF while in the case of mycorrhizal Melilotus
officinalis, 1.7–2 times increased 137Cs was found. Sorghum sudanense revealed

only insignificantly increase. A significant decrease of 137Cs in mycorrhizal

Festuca ovina and Agrostis tenuis was found; this finding underlines that soil

fungi represent a potential for Cs immobilization. On the other hand, Rosén et al.

(2005) working with mycorrhizal ryegrass and leek found an enhanced 137Cs uptake

by leek, but no effect on the uptake by ryegrass. Similar studies were performed on

mycorrhizal Festuca ovina in which shoots showed higher 137Cs concentration than
roots, as well as on Trifolium repens, and AM plants took up less Cs with no

increase in translocation of 137Cs to the shoots being found. In conclusion, AMF

seem to play a role, with regard to both immobilization and phytoextraction being

represented depending on plant species. Specifically grasses seem to respond with

decreased uptake into shoot biomass.
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Turnau and Mesjasz-Przybylowicz (2003) have found an increased Ni content in

shoots of Berkheya coddii, a hyperaccumulator from the Asteraceae family, with

well-developed mycorrhization. There is only very scare literature relating details

on other elements, excepting the nutrients P, Ca, or Mn.

13.2.3 The Effects of Poly-metal Pollution on HM Uptake
in Plants Inoculated with AMF and Combination to
Other Microbial Communities

When research focusses on a single pollutant, the response of AMF on HM uptake

into plants is much more clear as compared to soil containing more than two

pollutants (poly-metal pollution). In such cases, it is very useful to include

mechanisms of HM toxicity like the producing of ROS, which can damage

biomolecules such as membrane lipids, proteins, chloroplast pigments, enzymes,

and nucleic acids. Normally, plants have mechanisms for protecting against oxida-

tive stress. As an effect of AMF inoculation, decreased oxidative stress could be

shown either by assaying enzymatic activity (of, e.g., SOD, superoxide dismutase;

POD, peroxidases; CAT, catalase) or nonenzymatic systems acting as free radical

scavengers (e.g., soluble protein or pigments such as chlorophyll and carotenoids).

Zhang et al. (2006) found that inoculation with Glomus mosseae decreased POD

activity and DNA damage in AM Vicia faba plants. The high level of such

antioxidative systems as well as nonenzymatic antioxidants in mycorrhizal plants

could be an effect of arbuscule senescence (Fester and Hause 2005).

It is well documented that AMF coexist with other soil microorganisms which

might have positive or negative effects on HM uptake (Giasson et al. 2008). When

the inoculation with AMF is combined with saprobic fungi, there is a synergistic

effect. Bareen and Nazir (2010) used a dual inoculation with mycorrhizal fungi and

a saprobic fungus (Trichoderma pseudokoningii) applied in a poly-metal soil using

the host plant Cynodon dactylon. The results showed an increased plant biomass

and phytoextraction ability for metals like Cd, Cr, Cu, as well as Na, with a greater

volume of HM being stored in the mycorrhizal structures and spores. These studies

were performed using autochthonous fungi, because it is known that the results are

much better than in the case of using allochthonous fungi. Similar results using

saprobic fungi and Glomus deserticola in symbiosis with tomato and alfalfa were

related by Sampedro et al. (2008).

Wang et al. (2005) used only one fungal strain (Glomus caledonium 90036) and

compared that to a consortium of AMF Gigaspora margarita ZJ37, Gigaspora
decipens ZJ38, Scutellospora gilmori ZJ39, Acaulospora spp. and Glomus spp. The
results indicated that the inoculation with the consortium led to a significant

increase of shoot biomass and shoot P, Cu, Zn, and Pb concentrations, but did

not alter shoot Cd concentrations, resulting in higher Cu, Zn, Pb, and Cd extracted

by E. splendens. In poly-metal pollution, it has been documented that Cu mainly
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accumulated in the spore vacuoles, while Cd was contained in vacuoles of the

mycelium (Turnau et al. 2010). Barea et al. (2005) described the tripartite symbiosis

among legume–mycorrhiza–rhizobia underlining that they established positive

interactions reflected in the increase of Zn, Cu, Mo, Ca, and P uptake in plants,

making it possible to use the combination in revegetation programs to restore

HM-polluted sites.

13.2.4 Influence of Succession on AMF Communities
and Bioaccumulation of HM in Plants

It is known that at HM-polluted sites, either individual plants or the entire

communities and populations are affected. It is assumed that the response includes

changes in species composition and diversity in terms of succession and higher

stress tolerance in terms of natural selection, both of them being processes at the

long time scale (Turnau et al. 2010). According to these authors, at polluted sites

first appeared the non-mycorrhizal plant species, which are not able to establish a

vegetative cover, while second stages are dominated by facultative mycorrhizal

species. A very pure vegetation cover could be developed only after several decades

with spontaneous succession. The succession is thought to influence parameters like

relative mycorrhizal colonization, relative arbuscule formation, or arbuscule rich-

ness, which could affect HM bioaccumulation in plants allowing a differentiation

between restored and non-restored sites. Rowe et al. (2007) suggested using native

inoculum rather than commercial ones since they seem to be more effective in

establishing the late-successional associations. However, all discussions on succes-

sion should be considered with care, because of the methodological limitations

underlined in the end of Sect. 13.2.

13.2.5 Influence of AMF on Leaching in the Soil Column

There are few articles looking for the effects of plants on the leaching of elements

with the seepage water (Dudley et al. 2008), and even fewer about the effect of

AMF on leaching in mesocosms extracted from the field (Heijden 2010). Several

studies on the effect of AMF on metal leaching were performed in the context of

investigations dealing with contaminated sites (Banks et al. 1994; Iordache et al.

2006; Neagoe et al. 2009).

The mechanisms underlying the effects of plants on leaching are the creation of

preferential flow paths (by roots) and the direct and indirect influence of soil pore

size distribution (Halabuck 2006). Simulation of metal transport in the soil profile

as a result of plant influences is a matter of current research (Dusek et al. 2010), but

in principle, AMF might exert an influence which can be modeled by their effects
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on preferential flow paths and pore size distribution. Such effects have not been

studied explicitly to our knowledge. A synthesis of the knowledge on the influence

of organic matter on soil profile leaching, which can be eventually related to the role

of AMF on the distribution of organic matter in soil, can be found in Neagoe et al.

(2012).

The main problem of the existing studies in terms of upscaling is that the scale of

these experiments is not explicitly related to the size of AMF populations in natural

ecosystems. Thus, it cannot be used to extrapolate the function of control variables

in the field distribution. In the existing studies, the development of AMF was

restricted in space by the experimental design, and the results cannot meaningfully

be used to predict the effects in the field under variable soil and vegetation

conditions. A need for an integrated study of the role of AMF in metal mobility in

situ by both leaching to lower soil horizons and bioaccumulation in plants is in need.

13.3 Methodology for Investigating the Biogeochemical Role

of AMF

Upscaling the role of AMF depends, in general terms, on the development of

community–environment relationships (where the environment is “stratified by

multiple gradients”; Lilleskov and Parrent 2007). In particular, exactly how this

stratification should be set up (which is the scale of the elementary unit of extrapo-

lation and implicitly the sampling scale for characterizing the gradients) is to be

described. Graham (2008) states that “experimental design should either integrate

multiple mechanisms of the landscape scale and include such measures as mycor-

rhizal influences on net primary production, evapotranspiration and nutrient

cycling, or integrate measures of [. . .] fungal diversity into assessment of ecosys-

tem function.” We believe that a functional dynamic approach (already applied to

ectomycorrhizal fungi—Iordache et al. 2011) would be useful also for AMF.

Pool-flux classical ecosystem type research can be associated with this method

by the construction of a minimally complex homomorphic model, and it is also

compatible with the stoichiometric approach proposed by Johnson (2010), who

considers that a “stoichiometric perspective of C, N and P fluxes through mycorrhizas

may provide a “common currency” to facilitate cross-scale communication among a

diversity of scientists interested in understanding AM symbioses from genes to

ecosystems.” Instead of C, N, and P fluxes studied separately, and metals studied

separately (Audet and Charest 2007a), the integrated research of macronutrients,

micronutrients, and toxic metals influence on soil–plant–AMF system would be of

greater relevance.

An ideal methodology for investigating the biogeochemical roles of AMF is

based on a conceptual model of productive systems involving both biotic and

abiotic objects that would involve the following steps:
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1. Identification of the system of productive objects at the source scale. Description

of the space-time scales of the biotic and abiotic objects involved in the

productivity of AMF and of the main processes coupling these objects. The

result of this step is a homomorphic model of minimal multi-scale complexity

needed to understand the processes occurring at the time and space scale of

AMF.

2. Characterizing the functioning of the system identified in step 1 in terms of

relationships between the productivity of AMF–plant systems and macronutrients,

micronutrients, and toxic elements and substances. The result of this step is amodel

of the circulation of elements and substances due to biological processes.

3. Characterizing the transport of elements and substances by larger scale abiotic

objects (e.g., hydro-systems) coupled to the productive objects investigated in

step 2. The result of this step is a model of the effects at distance in space-time

(at the target scale) of the relatively smaller scale processes occurring at the

source scale. For more details on effects at large distance, see Iordache et al.

(2012).

Within step 1 by applying the methodology described in detail in Iordache et al.

(2011), one would obtain the structural model presented in Fig. 13.1.

Step 2 involves performing the following activities (adapted from Iordache et al.

2011): (1) describing the biomass production functions of the plant–AMF systems

at source scale; (2) characterizing the mathematical functions describing the influ-

ence of larger scale biological objects on the productivity of the original objects

V2

V4a F1

V3

V1

V4b

Target 
scale

+1 scale

Source
scale

–1 (min
DS) scale

F3

V5 V6

External factors

F2 V4’a

V4’b

Fig. 13.1 Homomorphic model of a community of arbuscular mycorrhizal fungi with the entities

with value for them—biotic and abiotic objects influencing them (relationships not represented for

reason of visibility; a connectivity matrix can be easily constructed using the information

presented in the text). The scale refers to scale in space, not in time. The physical part is not

represented. The part of the model within the source scale (within a stratum) is the homomorphic

model for upscaling under the constraints from organisms of different scales and external factors

external to the AM functional dynamic modules. F1, fungal parts on plant roots 1; F2, fungal parts

at plant roots 2; F3, hyphae in the extraradical mycelium; V1, bacteria; V2, mineral P and N; V3,

organic P and N; V4, plants (a, belowground; c, aboveground parts); V5, micronutrients and toxic

substances; V6, soil fungi or micro-invertebrates
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(e.g., plant consumers); (3) characterizing the mathematical relationships underly-

ing the influence of large-scale abiotic parameters on productive system at the

original scale, the space distribution of the abiotic parameters in the system of target

scale with a resolution of original scale, and the mathematical functions predicting

their space-time dynamic and the abiotic processes involved at the target scales);

(4) estimating the large-scale abiotic factor’s influence on large-scale DSs

connected to the source scale (the same as at point 1 done for the large-scale

biological objects mentioned at point 2); (5) stratifying the system of target scale

system into strata having the scale of the system identified as in Fig. 13.1;

(6) characterizing the production function by strata as controlled by large-scale

biotic and abiotic factors; and (7) model upscaling (extrapolation of production

function to the target area of interest by types of strata).

The problems with putting this ideal methodology into operation start from the

very beginning, with the system identification. As seen from the previous chapter,

we do not know the exact size in space of the AMF physiological organisms, which

means that we will not be able to quantify the surface occupied by the extraradical

parts of the individuals (F3 compartment in Fig. 13.1). Based on the current

information in literature, F3 compartment in Fig. 13.1 can be limited in space to

several meters around the plants or based on experimental work (Mikkelsen et al.

2008), or field observations like those summarized by Jakobsen 2004) could link

plants of the same or different species as far as 10 m apart, although usually the

distance would be smaller. It seems reasonable at the current state of knowledge to

assume that the source for upscaling has to be a plot of a maximum of 100 m2,

preferably smaller, down to 10 m2. As we go to smaller discretization units, the

quantity of data needed will increase accordingly. Another problem is related to the

estimation of species diversity of AMF in the extraradical (hyphal) compartment

(Taylor et al. 2000; Rosendahl 2008).

As for the practical delineation in space of the types of strata to be studied

separately for the final purpose of upscaling the productivity to target scale, they

can be obtained by a mapping of the main entities with values for AMF, at the

needed resolution. The strata will result from an intersections of the (10–100 m2

scale) maps for C, N, P, micronutrients and toxic substances, pH and other soil

parameters, as well as the map of plant associations, if plant cover is present (in the

case of soils impacted by pollution it may lack). The intersection of layers leads to

types of areas to be studied for effects of AM on mobility of metals, with an

associated homomorphic model for each one, or to potential effects in case of

myco-/phytoremediation.

According to our knowledge, there is no article yet dealing with such a locally

integrated approach, useful for farther extrapolation at ecosystem scale of the pro-

cesses occurring in contaminated sites still covered by plants. Characterizing theAMF

source scale system structurally, systems of two smaller and larger scales (Fig. 13.1),

and mapping the target scale system in discretization units relevant for system

identification is simpler than an institutional scale (ecosystem, site) integrating

biogeochemistry for a truly holistic approach, but still sufficiently complex. It is

an important research direction in objective scale integrated biogeochemistry and
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provides a framework for testing research hypotheses resulting frommeta-analyses of

existing results on nutrient-dependent plant response to AMF (Hoeksema et al. 2010)

and from field studies of the relative role of AMF and ectomycorrhiza in highly

dynamic systems (Piotrowski et al. 2008).

Step 3 is not a matter of ecological research, but rather of modeling the larger

scale abiotic processes of transport to distance (e.g., by vertical flow to groundwater

or by runoff) with the right resolution using the results from step 1, by type of strata

as input variables in the discretization units needed for modeling the abiotic

process.

What is possible at present based on existing knowledge about AMF biology and

ecology? A research opportunity is provided by the challenge of myco-/

phytoremediation of contaminated areas using selected plants and commercial

inoculums. In this case, the problem of characterizing the species diversity and

scale of AMF is eliminated (although the functional diversity within the same

species will still be potentially existing—Munkvold et al. 2004), at least in the

first part of the experiments. Using this opportunity, we devised an operational,

three-scale experimental approach as described in Table 13.2. A research program

started in 2003 allowed us to investigate patterns and processes mentioned in this

table, including the relative role of AMF in the export of metals by plants and

leaching from soil columns. A preliminary synthesis of the results of this approach

was performed by Kothe et al. (2005). We summarize here only the main findings of

the program (methods and extended results can be found in the sources mentioned

in Table 13.3): (1) the plant response to inoculation is species specific, but there is a

general pattern of positive response in terms of biomass increase and decrease of

oxidative stress (illustrated in Fig. 13.1); (2) the plant-specific response depends on

environmental conditions and plant community structure; plants classified as

nonhost may benefit from inoculation in highly contaminated soils; (3) large-

scale (field plot) response to artificial inoculation and monospecific cultivation is

modulated by seed bank and natural inoculation from clean soil amendment; and

(4) the inoculation may increase the relative importance of plants compared to

leachate in the export of metals, but this depends on the rhizosphere microbial

community structure (bacteria co-inoculated with AMF influenced the dynamics of

soil redox potential and metal toxicity) and on soil variable heterogeneities at meter

scale.

13.4 Conclusions

We introduced a concept of the biogeochemical role explicitly related to cross-scale

effects in the frame of an approach labeled as objective scale integrated biogeo-
chemistry. By objective, we mean that the scale of analyses is that of the environ-

mental objects involved in the cycling and is not assumed a priori based on human

(institutional) interests. By integrated, we refer to the consideration of multielement
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fluxes (of nutrients and toxic elements and substances) through the target organisms

and through the biotic and abiotic compartments directly connected with them, as

control factors of the productivity of the system. After a critical analysis of the

knowledge on AMF relevant for estimating their biogeochemical role in the

mobility of metals, we proposed a methodology for characterizing this role and

underlined the practical limitations linked to current state of knowledge concerning

AMF. These limitations are linked to basic issues such as estimating the dimension

of a physiological individual, the size in space of a population of AMF, and the

species diversity of AMF in the hyphal compartment. We underlined then a

research opportunity provided by the challenge of myco/phytoremediation of

contaminated areas using selected plants and commercial inoculums. Operation-

ally, we developed a multi-scale (pot, lysimeter, field plot) experimental approach

of the biogeochemical role of AMF in metal mobilities tackling scale-specific

issues. The main findings of the operational research program are summarized.

Table 13.3 Experimental approach at three scales for the study of AMF roles in metal mobility

(adapted from Iordache et al. 2012)

Name of the system

and usual scales

Environmental complex

system studied at these

scales

Patterns studied/control

variables

Reference for detailed

methodology

Pot 10�2 m2 Soil + plants + AMF Exploration by root,

bioaccumulation/

organic carbon, other

microorganisms,

level and spatial

structure of

amendments

Neagoe et al. (2004),

Iordache et al.

(2004), and Stancu

et al. (2010)

Lysimeter

10�1–100 m2
Soil + plants + AMF +

small-scale

hydro-system

Same as in

pots + leaching,

internal

redistribution, net

outputs/same as in

pots + soil structure,

hydraulic

conductivity,

humidity, redox

potential in soil

profile

Neagoe et al. (2006,

2009), Iordache

et al. (2006),

Visan et al.

(2008), and

Nicoara et al.

(2010)

Plot

4 � 100–102 m2
Soil + plants + AMF +

other organisms

Same as in

pots + heterogeneity

in space, margin

effects, other effects

due to external

entities (natural seed

bank, consumers)/

same as in

pots + variables for

external entities

Neagoe et al.

(2005, 2010)
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Iordache V, Lăcătusu R, Scrădeanu D, Onete M, Jianu D, Bodescu F, Neagoe A, Purice D,

Cobzaru I (2012) Contributions to the theoretical foundations of integrated modeling in

biogeochemistry and their application in contaminated areas. In: Kothe E, Varma A (eds)

Bio-geo interactions in metal-contaminated soils, vol 31, Soil biology. Springer, Berlin,

pp 385–416

Jakobsen I (2004) Hyphal fusion to plant species connections – giant mycelia and community

nutrient flow. New Phytol 164:4–7
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Rosén K, Weiliang Z, Mårtensson A (2005) Arbuscular mycorrhizal fungi mediated uptake of

Cs in leek and ryegrass. Sci Total Environ 338:283–290

Rosendahl S (2008) Communities, populations and individuals of arbuscular mycorrhizal fungi.

New Phytol 178:253–266

Rosling A, Roose T, Herrmann AM, Davidson FA, Finlay RD, Gadd GM (2009) Approaches to

modeling mineral weathering by fungi. Fungal Biol Rev 23:138–144

Rowe HI, Brown CS, Claassen VP (2007) Comparisons of mycorrhizal responsiveness with field

soil and commercial inoculum for six native Montane species and Bromus tectorum. Restor

Ecol 15:44–52

13 Upscaling the Biogeochemical Role of Arbuscular Mycorrhizal Fungi. . . 309

http://dx.doi.org/10.1007/s10653-008-9159-8
http://dx.doi.org/10.1016/j.soilbio. 2008.07.018


Rufyikiri G, Declerck S, Thiry Y (2004) Comparison of 233U and 33P uptake and translocation by

the arbuscular mycorrhizal fungus Glomus intraradices in root organ culture conditions.

Mycorrhiza 14:203–207

Sampedro I, Aranda E, Dı́az R, Garcı́a-Sanchez M, Ocampo JA, Garcı́a-Romera I (2008) Saprobe

fungi decreased the sensitivity to the toxic effect of dry olive mill residue on arbuscular

mycorrhizal plants. Chemosphere 70:1383–1389

Sanon A, Martin P, Thioulouse J, Plenchette C, Spichigeer R, Lepage M, Duponnois R (2006)

Displacement of an herbaceous plant species community by mycorrhizal and non-mycorrhizal

Gmelina arborea, an exotic tree, grown in a microcosm experiment. Mycorrhiza 16:125–132

Simard SW, Durall DM (2004) Mycorrhizal networks: a review of their extent, function, and

importance. Can J Bot 82:1140–1165

Smith SE, Read DJ (1997) Mycorrhizal symbiosis, 2nd edn. Academic, London, 605 pp

Smith SE, Facelli E, Pope S, Smith FA (2010) Plant performance in stressful environments:

interpreting new and established knowledge of the roles of arbuscular mycorrhizas. Plant

Soil 326:3–20

Soares CRFS, Siqueira JO (2008) Mycorrhiza and phosphate protection of tropical grass species

against heavy metal toxicity in multi-contaminated soil. Biol Fertil Soils 44:833–841

Stancu P, Neagoe A, Jianu D, Iordache V, Nicoarǎ A, Donciu R (2010) Testing phytoremediation

methods for the zlatna tailing dams, Romania. In: Proceedings fot the 10th international

symposium on “metal elements in environment, medicine and biology”, Timisoara, November

2010

Taylor JW, Jacobson DJ, Kroken S, Kasuga T, Geiser DM, Hibbett DS, Fisher MC (2000)

Phylogenetic species recognition and species concepts in fungi. Fungal Genet Biol 31:21–32

Tobin JM, White C, Gadd GM (1994) Metal accumulation by fungi – applications in environmen-

tal biotechnology. J Ind Microbiol 13:126–130

Toler HD, Morton JB, Cumming JR (2005) Growth and metal accumulation of mycorrhizal

sorghum exposed to elevated copper and zinc. Water Air Soil Pollut 164:155–172

Treseder KK, Turner KM (2007) Glomalin in ecosystems. Soil Sci Soc Am 71:1257–1266

Turnau K (1998) Heavy metal uptake and arbuscular mycorrhiza development of Euphorbia
cyparissias on zinc wastes in South Poland. Acta Soc Bot Pol 67:105–113

Turnau K, Dexheimer J (1995) Acid phosphatase activity in Pisolithus arrhizus mycelium treated

with cadmium dust. Mycorrhiza 5:205–211

Turnau K, Mesjasz-Przybylowicz J (2003) Arbuscular mycorrhiza of Berkheya coddii and

other Ni-hyperaccumulating members of Asteraceae from ultramafic soils in South Africa.

Mycorrhiza 13:185–190

Turnau K, Orlowska E, Ryszka P, Zubek S, AnielskaT GS, Jurkiewicz A (2006) Role of

mycorrhizal fungi in phytoremediation and toxicity monitoring of heavy metal rich industrial

wastes in southern Poland. In: Twardowska I et al (eds) Soil and water pollution monitoring,

protection and remediation. Springer, Dordrecht, pp 3–23

Turnau K, Ryszka P, Wojtczak G (2010) Metal tolerant mycorrhizal plants: a review from the

perspective on industrial waste in temperate region. In: Koltai H, Kapulnik Y (eds) Arbuscular

mycorrhizal: physiology and function, vol Part 4. Springer, Heidelberg, pp 257–276

Ultra VUY Jr, Tanaka S, Sakurai K, Iwasaki K (2007) Arbuscular mycorrhizal fungus (Glomus
aggregatum) influences biotransformation of arsenic in the rhizosphere of sunflower

(Helianthus annuus L.). Soil Sci Plant Nutr 53:499–508
Vamerali T, Bandiera M,Mosca G (2010) Field crops for phytoremediation of metal-contaminated

land. A review. Environ Chem Lett 8:1–17

Van Keulen H, Cutright T, Wei R (2008) Arsenate-induced expression of a class III chitinase in the

dwarf sunflower Helianthus annuus. Environ Exp Bot 63:281–288

Visan L, Sandu R, Iordache V, Neagoe A (2008) Influence of microorganisms community

structure on the rate of metals percolation in soil. Analele stiintifice ale UAIC 53:79–88

Wang F, Lin X, Yin R (2005) Heavy metal uptake by arbuscular mycorrhizas of Elsholtzia
splendens and potential for phytoremediation of contaminated soil. Plant Soil 269:225–232

310 A. Neagoe et al.



Wenzel WW (2009) Rhizosphere processes and management in plant-assisted bioremediation

(phytoremediation) of soils. Plant Soil 321:385–408

Wolfe BE, Parrent JL, Koch AM, Sikes BA, Gardes M, Klironomos JN (2009) Spatial heteroge-

neity of mycorrhizal populations and communities: scales and mechanisms. In: Azcón-Aguilar

C et al (eds) Mycorrhizas – functional processes and ecological impact. Springer, Berlin,

pp 167–186

Young JPW (2009) Kissing cousins. New Phytol 181:751–753

Yu Y, Zhanh S, Huang H (2010) Behavior of mercury in a soil-plant system as affected by

inoculation with the arbuscular mycorrhizal fungus Glomus mosseae. Mycorrhiza 20:407–414

Zhang X, Lin A, Chen B, Wang Y, Smith FA (2006) Effect of Glomus mosseae on the toxicity of

heavy metals to Vicia faba. J Environ Sci 18(4):721–726

13 Upscaling the Biogeochemical Role of Arbuscular Mycorrhizal Fungi. . . 311



Chapter 14

Fungi and Their Role in Phytoremediation

of Heavy Metal-Contaminated Soils

Mozhgan Sepehri, Habib Khodaverdiloo, and Mehdi Zarei

14.1 Introduction

Contamination of soil and water with heavy metals (HM) and metalloids is an

increasing environmental problem worldwide that has accelerated dramatically

since the beginning of industrial revolution and represents an important environ-

mental problem due to their toxicity, and accumulation throughout the food chain

leads to serious ecological and health problems. The primary source of this pollu-

tion includes the industrial operations such as mining, smelting, metal forging,

combustion of fossil fuels, and sewage sludge application in agronomic practices.

The metals released from these sources accumulate in soil and, in turn, adversely

affect the microbial composition and their metabolic activities. In addition, the

elevated concentration of metals in soils and their uptake by plants adversely affect

the growth, symbiosis, and consequently the yields of crops (Moftah 2000; Wani

et al. 2007a) by disintegrating cell organelles and disrupting the membranes

(Stresty and Madhava Rao 1999), acting as genotoxic substance (Sharma and

Talukdar 1987) disrupting the physiological process such as photosynthesis (Van

Assche and Clijsters 1990; Wani et al. 2007b), or inactivating the respiration,

protein synthesis, and carbohydrate metabolism (Shakolnik 1984). The remediation

of metal-contaminated soils thus becomes important as these soils usually cover

large areas that are rendered unsuitable for sustainable agriculture. Therefore,
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increasing attention has been paid in recent years to the remediation of polluted

soils, among which the use of plants and microbes to remove hazardous metal ions

is particularly emphasized (Winge et al. 1985; Mehra and Winge 1991).

The HMs in general cannot be biologically degraded to more or less toxic

products and, hence, persist in the environment indefinitely. Conventional methods

through common physicochemical techniques that include excavation and land fill,

thermal treatment, acid leaching, and electro-reclamation are ineffective for metal

detoxification because of the high cost, low efficiency, large destruction of soil

structure and fertility, and also production of large quantities of toxic products. The

advent of bioremediation technology which is the use of microbial metabolic

potential has provided a safe and economic alternative to conventional methods

for remediating the metal-poisoned soils. The other effective and promising

approach is phytoremediation, which is the use of plants to extract, sequester, and

detoxify pollutants to clean up the contaminated soils (Brooks 1998).

Phytoremediation involves the use of metal-accumulating plants to remove,

transfer, or stabilize the contaminants from soils, but this technique is time con-

suming (Wenzel et al. 1999). The success of phytoremediation depends on the

extent of soil contamination, bioavailability of the metal, and the ability of the plant

to absorb and accumulate metals in shoots. However, plants with exceptionally high

metal-accumulating capacity often have a slow growth rate and produce limited

amounts of biomass when the concentration of metal in the contaminated soil is

very high and toxic. To maximize the chance of success of phytoremediation, plant

growth-promoting rhizobacteria (PGPR) and arbuscular mycorrhiza fungi (AMF),

soil microbes that inhabit the rhizosphere, are utilized in the nutrient poor agricul-

tural soils. They increase HM sequestration capacity of plants by recycling

nutrients, maintaining soil structure, detoxifying chemicals, and controlling pests

while decreasing toxicity of metals by changing their bioavailability. Meanwhile,

plants provide the microorganisms with root exudates such as free amino acids,

proteins, carbohydrates, alcohols, vitamins, or hormones which are important

sources of nutrient (Winge et al. 1985).

The aim of this chapter is phytoremediation of HM-contaminated soils by using

the fungi with the emphasis of arbuscular mycorrhizal fungi.

14.2 HM Pollutants

HM pollution is a global concern. The levels of metals in all environments,

including air, water, and soil, are increasing in some cases to toxic levels with

contributions from a wide variety of industrial and domestic sources. Metal pollu-

tion results when human activity disrupts normal biogeochemical activities or

results in disposal of concentrated metal wastes. Mining, ore refinement, nuclear

processing, the industrial manufacture of batteries, metal alloys, paints,

preservatives, and insecticides are examples of processes that produce metal by-

products. Thus, while metals are ubiquitous in nature, human activities have caused
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metals to accumulate in soil. Such contaminated soils provide a metal sink from

which surface waters and groundwaters can become contaminated. Contaminated

soil contributes to high metal concentrations in the air through metal volatilization.

In addition, industrial emissions and smelting activities cause release of substantial

amounts of metals to the atmosphere. Naturally, high metal concentrations can also

occur as a result of weathering of parent materials containing high levels of metals.

Although some HMs are essential plant micronutrients since they are required

for plant growth and development (Zn, Cu, Fe, Mn, Ni, Mo, Co), high contents of

HMs, as well as the long-term presence of potentially toxic metals (Cd, Pb) and

metalloids (As) in surface horizon of agricultural soils, are generally considered a

matter of concern, as they may adversely affect the quality of soils and surface

water and compromise sustainable food production (Pandolfini et al. 1997; Kabata-

Pendias 2001; Keller et al. 2002; Voegelin et al. 2003; Kabata-Pendias and

Mukherjee 2007). HMs exert their toxicity in a number of ways including the

displacement of essential metals from their normal binding sites on biological

molecules (e.g., arsenic and cadmium compete with phosphate and zinc, respec-

tively), inhibition of enzymatic functioning, and disruption of nucleic acid struc-

ture. It is important to note that the toxicity of a metal depends to a large extent on

its speciation which in turn influences metal bioavailability. The chemical nature

and, thus, bioavailability of a metal can be changed through oxidation or reduction;

however, the elemental nature remains the same because metals are neither ther-

mally decomposable nor microbiologically degradable. Consequently, metals are

difficult to remove from the environment. In addition, total metal concentrations in

the environment do not necessarily reflect the degree of biological metal toxicity or

bioavailability, making it difficult to assess accurately the extent of risk posed by

metals.

14.2.1 Detrimental Effects of HMs on Soil Biota

Microbial communities play important roles in soil because of the many functions

they perform in nutrient cycling, plant symbioses, decomposition, and other eco-

system processes (Nannipieri et al. 2003). Large HM contents in soil are of concern

because of their toxicity to soil microorganisms and impairment of ecosystem

functions (Giller et al. 1997). First observations of the effects of HMs on soil

microbial processes date back to the beginning of this century (Lipman and Burgess

1914; Brown and Minges 1916). But only when the large adverse effects of HMs

emissions from smelters on surrounding ecosystems were observed in the

1960s–1970s was it realized how severely soil microorganisms and soil microbial

processes can become disrupted by elevated metal concentrations, sometimes

resulting in severe ecosystem disturbance.

Short-term responses of microbial communities to HM contamination are well

known (Shi et al. 2002; Ranjard et al. 2000; Gremion et al. 2004; Rajapaksha et al.

2004), but medium- and long-term effects of HM in the field have been less
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frequently investigated (Pennanen et al. 1996; Kandeler et al. 2000; Sandaa et al.

1999; Renella et al. 2004). However, a considerable body of information has now

been accumulated on the effects of HMs on soil microorganisms and microbially

mediated soil processes from both laboratory studies and field experiments (Bååth

1989). HMs exert toxic effects on soil microorganism (Pawlowska and Charvat

2004), hence results in the change of the diversity, population size, and overall

activity of the soil microbial communities (Smejkalova et al. 2003; Gupta 1992;

Hattori 1996; Kelly et al. 2003).

Gasper et al. (2005) reported that the aftereffect of the observed HMs (Cr, Zn, and

Cd) pollution influenced the metabolism of soil microbes in all cases. In general, an

increase of metal concentration adversely affects soil microbial activities, for

example, soil microbial biomass (Fritze et al. 1996), weak enzyme activity

(Kandeler et al. 1996), and increasing microbial respiration rate (Bogomolov and

Chen 1996), which appears to be very useful indicators of soil pollutions (Brookes

1995; Szili-Kovács et al. 1999). Given a sufficiently high rate of addition, HMs

added to soil in laboratory ecotoxicological studies result in a decrease in the

amount of microbial biomass and a change in community structure (Maliszewska

et al. 1985; Ohya et al. 1985; Naidu and Reddy 1988; Aoyama et al. 1993; Leita et al.

1995; Speir et al. 1995; Kandeler et al. 1996; Knight et al. 1997). This is not

surprising; microorganisms differ in their sensitivity to metal toxicity, and sufficient

metal exposure will result in immediate death of cells due to disruption of essential

functions, and to more gradual changes in population sizes due to changes in

viability or competitive ability. What is perhaps more surprising is that soil

microorganisms subject to long-term metal stress, even at modest levels of expo-

sure, are not able to maintain the same overall biomass as in unpolluted soils.

Development of tolerance and shifts in community structure could be expected

to compensate for less of more sensitive populations. Instead, results from labora-

tory ecotoxicological studies suggest that changes in community structure go hand

in hand with a decrease in the soil microbial biomass (Frostegård et al. 1993, 1996).

There is now a considerable amount of evidence documenting a decrease in the soil

microbial biomass as a result of long-term exposure to HM contamination from past

application of sewage sludge (McGrath 1994; McGrath et al. 1995). Analysis of soil

contaminated with HMs from other sources such as Cu and Zn in animal manures

(Christie and Beattie 1989), runoff from timber treatment plants (Bardgett et al.

1994; Yeats et al. 1994), past application of Cu-containing fungicides (Zelles et al.

1994; Filser et al. 1995), and analysis of soils in the vicinity of metal-contaminated

army disposal sites (Kuperman and Carreiro 1997) confirms that a decrease in the

microbial biomass occurs at a relatively modest and sometimes even at a surpris-

ingly low (Dahlin et al. 1997) metal loading. The widespread occurrence of this

effect of metal toxicity suggests that there may be a common physiological

explanation.

Enzyme activity is a soil property that is chemical in nature but has a direct

biological origin. This activity arises from the presence of many types of enzymes

that are present in the soil and within soil microorganisms. From an assortment of

enzymes present and active in soil, phosphatases are interesting groups of enzymes
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that catalyze the hydrolysis of phosphate from organic monoester linkages (Dmitri

and Begonia 2008). Phosphates released from such phosphatase action are very

important to the plants and microorganisms that depend on soil for their phosphorus

requirements. Indications of specific inhibitory action of HMs have been produced

in microbes as well (Fulladosa et al. 2005a, b). Such selective targeting of specific

enzymatic systems and pathways suggests that certain members of the microbial

community would be more sensitive to HM exposure than others, depending on the

sensitivity of their critical metabolic pathways. Thus, while toxicity of HMs to

microbes is a well-established phenomenon, the effects of those metals upon

specific enzymatic systems at lower (“subacute”) concentrations are not well

known. Denitrification is a natural microbial process converting nitrate to

dinitrogen gas during anaerobic respiration. Such reduction occurs sequentially,

with nitrate converted to nitrite, nitric oxide, nitrous oxide, and, finally, nitrogen

gas. A number of enzyme classes, mostly located in the periplasmic space, are

involved in denitrification (Dmitri and Begonia 2008), with a number of

corresponding genes that can be used as genetic markers for presence and expres-

sion of such enzymes in the soil metagenome. As denitrification-related enzymes

are generally located within the cell membrane or periplasmic space, expelling HM

ions out of the cell would place them in the immediate contact with denitrification-

related enzymes, thus limiting utility of such a resistance strategy. The fact that

denitrification enzymes are located on or near the outer cell surfaces further

increases the vulnerability of the entire denitrification pathway to chemical disrup-

tion. Recent work has suggested a direct effect of HMs upon extracellular enzyme

activities (Begonia et al. 2004; Hinojosa et al. 2004). Combined with the fact that

scavenging/pumping systems are unlikely to protect the denitrification pathway

from HM effects (and may, in fact, exacerbate the situation), it is expected that

denitrification pathway would be uniquely sensitive to HMs. The notion of selective

inhibition of denitrification steps by HMs has been supported by work of Holtan-

Hartwig et al. (2002), suggesting the potential for production of undesirable by-

products, such as nitrous oxide.

The second mechanism of microbial resistance to metals is evolution of enzyme

forms resistant to metals. This resistance pathway is expected to be the predominant

in the denitrifying bacteria, due to inability to use metal pumps for the reasons

described above. The metal-resistant forms of enzymes present in metal-stressed

denitrifying community are expected to be readily identifiable by their gene

sequence and therefore their genetic signature. Disruption of denitrification by

HMs could lead to a number of undesirable consequences, influencing the human

health at both global and local levels. Suppressed denitrification in the soil could lead

to enhanced nitrogen retention and flushing, resulting in nonpoint nutrient pollution

in waterways receiving overland or subsurface flow from impacted locations. Nutri-

ent pollution, in turn, leads to eutrophication and massive algal blooms, including

those of toxic algae and cyanobacteria (e.g., Microcystis), affecting human

populations relying on surface waters for municipal, recreational, or agricultural

needs. Specific inhibition of nitrous oxide reductase by metal has been observed

recently (Holtan-Hartwig et al. 2002), resulting in incomplete denitrification leading
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to emission of nitrous (and possibly nitric) oxides. As nitrous oxide is a potent

greenhouse gas that also damages ozone layer (Crutzen 1970; Dickinson and

Cicerone 1986), denitrification disruption via metal contamination could act as a

link between local metal contamination and global climate change phenomena.

Another features of HM pollutes soils are impeded litter decomposition and soil

respiration (Marschner and Kalbitz 2003; Illmer and Schinner 1991). The degree of

impedance, however, is determined by the rate of carbon and nitrogen mineraliza-

tion. Thus, under HM pollution, the rates of such activities are impaired and carbon

and nitrogen accumulate in the soil. Assay of soil respiration also helps to quantify

the effects of metals on the total biological activity of soils. Addition of HM salts to

soils usually causes an immediate decrease in respiration rates, but responses are

determined by the properties of both the metal and the soil. The response of base

respiration to metals is dependent on the nature of the substrates mineralized at the

time of measurement. The response of base respiration to increasing doses of Cu,

Cr, Ni, and Zn can be inconsistent, with increases in base respiration sometimes

occurring even though both higher and lower doses of the same metal resulted in a

decrease in base respiration (Doelman and Haanstra 1984). These bizarre and

inexplicable responses probably result from strong interactive effects between

both abiotic and biotic factors. A potential difficulty is that it is not possible to

distinguish a metal toxicity effect from an effect of metal addition on substrate

availability. Some metals such as Pb may decrease the amount of substrate avail-

able for respiration through the formation of complexes and thus decrease respira-

tion, whereas death of microbial cells as a result of metal addition may explain the

increase of the base respiration in response to metal addition (Leita et al. 1995). The

initial response in soil respiration due to metal addition may therefore bear little

relation to long-term effects, and possibly even less relation to the typical field

situation where there often is an increasing amount of metal contamination over a

period of many years.

When metal toxicity data to soil microbial processes and populations from the

literature is summarized, an enormous variability in the data becomes apparent. In

principle there are only two factors which may contribute to the discrepancies

between studies: (1) factors which modify the toxicity of the metals and

(2) differences in sensitivity of the microorganism(s) or microbial process(es). It

is extremely difficult to separate these factors when metal toxicity is studied in

soils, both because of the difficulties in determining the “bioavailability” of metals

in soils and because of the complexity of soil microbial communities.

In microbial investigations, the term “bioavailability” is usually ill defined and is

rarely quantified. Bioavailability is dependent on soil characteristics such as min-

eralogy, pH, texture, organic matter, iron oxide, and HM content as well as plants

and microorganisms and can be assessed by the growth of the organism of interest

and an evaluation of the uptake or toxicity of a metal after the fact (Wolt 1994).

Plant root exudates both directly (e.g., Fe3+) or through the effects exudates have on

microbial activity and resulting rhizosphere chemistry. As bacteria are present

within colonies in soil (Harris 1994) or protected by clays (Van veen et al. 1985;

Ladd et al. 1995), they may often not be exposed to the equilibrium solution activity
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of HMs. Metals may become bound to bacterial or fungal cell walls or on extracel-

lular polysaccharides of bacteria, and the ingestion of such bacteria by protozoa or

nematodes will result in vastly different exposures to metals in the predators than

would result simply from exposure to the metals present in the soil solution.

Microorganisms may also alter metal availability in their vicinity due to localized

acidification on the environment or production of compounds which complex

metals. Species of microorganisms (e.g., Berdicevsky et al. 1993), strains of the

same species (e.g., Romandini et al. 1992), and also activities of the same microbial

species (e.g., Balsalobre et al. 1993; Torslov 1993) can all show considerable

differences in their sensitivity to metal toxicity.

14.3 Remediation Techniques of HM-Contaminated Soils

Since the industrial revolution, anthropogenic impacts have caused more and more

hazardous HMs releasing to environment. Soils, being the basic and most essential

part of the ecological system, are heavily contaminated, too. Compared to organic

pollutants, the remediation of toxic metals in porous matrices (soil and sediment)

requires a specific approach since hazardous HMs are indestructible, as they cannot

be chemically or biologically degraded, hence require appropriate methods for their

removal. Treatments make necessary metal extraction (e.g., by solubilization or

complexation) to avoid their dissemination in the environment and/or the food

chain contamination. Therefore, increasing attention has been paid in recent years

to the remediation of polluted soils. To date, main four methods, chemical or

physical remediation, animal remediation such as earthworm, phytoremediation,

and microremediation, were proposed by researchers. Because of the obvious

disadvantages and deficiency in feasibility, wide application of the former two

methods is restricted. The latter two, namely, the use of plants and microbes, are

preferred because of their cost-effectiveness, environmental friendliness, and fewer

side effects. Using transgenic technology is a tendency in the future to create an

ideal species purposely. In the future crop hyperaccumulators will be a better choice

due to its feasibility, in the field of which current emphasis is scarce. Microbes, in

many cases, are more efficient in accumulating and absorbing HMs because of their

astronomical amount and specific surface area. Furthermore, technique of genetic

engineering in microbes is easier and more mature than in plant cells. Therefore,

using transgenic technology to create an optimum plant + soil + microbes combi-

nation would be a promising way in the future development (Gang et al. 2010).

14.3.1 Conventional Methods

Chemical or physical method which is named “conventional method” is early used

and even endemically commercialized in America. The in situ or ex situ remediation

of these methods is more often based on (1) improvement of the solubility and
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bioavailability of HMs by synthetic chelators such as ethylenediaminetetraacetic

acid (EDTA); (2) solidification/stabilization by either physical inclusion or chemical

interactions between the stabilizing agent and the pollutant; (3) vitrification using

thermal energy for soil fusion, allowing physical or chemical stabilization;

(4) electrokinetical treatment which ionic species of the pollutant migrate to

electrodes inserted into the soil; (5) chemical oxidation or reduction of the pollutant

to attain chemical species with lower toxicity that are more stable and less mobile;

and (6) excavation and off-site treatment or storage at a more appropriate site

(Saxena et al. 1999). Most of these conventional remediation technologies are

expensive and labor intensive, are technically limited to relatively small areas, and

cause further disturbance to the already damaged environment (Alloway and

Jackson 1991; Mench et al. 1994). These techniques for soil remediation may render

the land useless for plant growth as they remove all biological activities, including

useful microbes such as nitrogen-fixing bacteria, mycorrhiza, fungi, as well as fauna

in the process of decontamination. Furthermore, natural soil, structure, texture, and

fertility can be impaired by the method itself and by the regent added. Additionally,

excessive use of chelators like EDTA which is both toxic and nonbiodegradable

would poison both plants and microbes (Gang et al. 2010). Therefore, due to

improved knowledge of the mechanisms of uptake, transport, tolerance, and exclu-

sion of contaminants in microorganisms and plants, development of alternative

technologies, named bioremediation and phytoremediation which respectively

refer to the use of microbes and plants, has been promoted.

14.3.2 Biological Methods

Bioremediation is based on the potential of living organisms, mainly

microorganisms and plants, to detoxify the environment (Anderson and Coats

1994). Bioremediation technologies could be classified under two main categories,

namely, “microbial-based” and “plant-based” remediation methods. For organic

pollutants, the goal of phytoremediation is to completely mineralize them into

relatively nontoxic constituents, such as carbon dioxide, nitrate, chlorine, and

ammonia (Cunningham et al. 1997). However, HMs are essentially immutable by

any biological or physical process short of nuclear fission and fusion, and thus their

remediation presents special scientific and technical problems. Furthermore, in the

case of uptake of HMs by microbes, there is no cost-effective method to collect the

microbes from soil body. Plant-based bioremediation technologies have been

collectively termed as “phytoremediation” that refers to the use of green plants

and their associated microbiota for the in situ treatment of contaminated soil and

groundwater. While the use of plants for remediation of contaminated soils has

been developed much more recently, it was not until the 1990s that the concept of

phytoremediation emerged as a promising technology that uses plants for decon-

tamination of polluted sites (Barceló and Poschenrieder 2003). With a few notable

exceptions, the best scenarios for the phytoremediation of HMs involve plants
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extracting and translocating a toxic cation or oxyanion to aboveground tissues for

later harvest, converting the element to a less toxic chemical species (i.e., transfor-

mation), or at the very least sequestering the element in roots to prevent leaching

from the site (Meagher 2000).

Although phytoremediation offers cost advantages and is comparable to in situ

bioremediation and natural attenuation (Cunningham et al. 1997), it has its own

limitations, for example, the difficulty with treating wastes greater than three meters

deep, possible uptake of contaminants into leaves and release during litter fall,

inability to assure cleanup below action levels in a short period of time, difficulty in

establishing the vegetation due to toxicity at the site, and possible migration of

contaminants off-site by preferential flow or by binding with soluble plant exudates

(Schnoor 1997). Therefore, and most likely due low bioavailability of PTEs and/or

low biomass of hyperaccumulators, phytoremediation method usually remains as a

time-consuming process (Cunningham et al. 1997; Khodaverdiloo and Homaee

2008). However, numerous studies have indicated that soil microbial community

such as arbuscular mycorrhizal (AM) fungi could help to overcome these

limitations, for example, by enhancing uptake of nutrient elements as well as

water by host plants through their extraradical mycelial networks (Marschner and

Dell 1994) and protecting the host plants against HM toxicity (Leyval et al. 1997).

Therefore, inoculation of plants with AM fungi can be a potential biotechnological

tool for successful restoration of degraded ecosystems (Dodd and Thompson 1994;

Mathur et al. 2007).

14.3.2.1 Phytoremediation

Phytoremediation is a solar-driven remediation technology with greatly reduced costs

and minimum adverse side effects (Cunningham and Ow 1996; Cunningham et al.

1997; Garbisu et al. 2002; Glick 2003).Within the field of phytoremediation, different

categories have been defined such as phytofiltration, phytostabilization, phytovolati-

lization, phytodegradation, phytostimulation, and phytoextraction; among them

phytoextraction and phytostabilization are of great concern for remediation of

HM-contaminated soils. Phytoextraction is the use of hyperaccumulating/high-

biomass plants to uptake the contaminants in their aboveground tissues with

subsequent harvest, recovery, and disposal or recycling of the metals (Geiger et al.

1993; Kayser et al. 2000; Hammer et al. 2003). Hyperaccumulators are wild species

that can accumulate large amounts of specificmetals in their shoots, but they are often

with low biomass. The fast-growing, high-biomass plants are usually not metal

specific and have low to average HM concentrations (Hammer et al. 2003).

Phytoextraction has been proposed as a suitable alternative to destructive techniques

used so far to clean up soils contaminated with HMs. Indeed, the use of plants to

remove metals from soils is environmental friendly, and its cost is much lower

compared to engineering-based techniques (Cunningham and Ow 1996; Cunningham

et al. 1997; Garbisu et al. 2002; Glick 2003). Although phytoextraction is a promising

option to remediate contaminated soils, so far, no suitable method is yet available to
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remove metals in a reasonably short time. Indeed, the potential for phytoextraction

depends not only on bioaccumulation factor but also on plant biomass. However, the

hyperaccumulator and high-biomass plant species fulfill only one of these conditions.

In phytostabilization, plants are used for immobilizing contaminant metals in

soils or sediments by root uptake, adsorption onto roots, or precipitation in the

rhizosphere. By decreasing metal mobility, these processes prevent leaching and

groundwater pollution, and bioavailability is reduced and fewer metals enter the

food chain (Barceló and Poschenrieder 2003).

Metal Hyperaccumulators

Selection of plants for phytoremediation of metals depends on the type of applica-

tion (Schnoor 1997). Plants show several response patterns to the presence of

potentially toxic concentrations of HMs. Most are sensitive even to very low

concentrations, others have developed resistance, and a reduced number behave

as hyperaccumulators of HMs (e.g., Brooks 1998; Salt et al. 1998). Hyperaccu-

mulators have opened up the possibility to use phytoextraction for remediation of

HM-contaminated environments (Barceló and Poschenrieder 2003) and provide

valuable tools for reclamation of polluted soils, enhancement of soil quality, and

recovery and reestablishment of biotic. Plants with metal resistance mechanisms

based on exclusion can be efficient for phytostabilization technologies.

Hyperaccumulator plants, in contrast, may become useful for extracting toxic

elements from the soil and thus decontaminate and restore fertility in polluted

areas. In recent years, improved knowledge of the mechanisms of uptake, transport,

and tolerance of high metal concentrations in these plants (e.g., Assunçao et al.

2001; Hall 2002) has opened up new avenues for remediation by phytoextraction.

At least 400 species distributed in 45 botanical families are considered metal

hyperaccumulators (Brooks 1998). By definition, hyperaccumulators are herba-

ceous or woody metallophytes, belong to the natural vegetation of metal-enriched

soils, and accumulate and tolerate without visible symptoms a hundred times or

greater metal concentrations in shoots than those usually found in non-

accumulators. Baker and Brooks established 0.1 % as the minimum threshold tissue

concentrations for plants considered Co, Cu, Cr, Pb, or Ni hyperaccumulators,

while for Zn or Mn the threshold is 1 % (Baker and Brooks 1989). As discussed

in the next section, these species have evolved internal mechanisms that allow them

to take up and tolerate large metal concentrations that would be exceedingly toxic

to other organisms.

An ideal plant species for remediation purposes should grow easily and produce

high biomass quickly on HM-contaminated soils, have high root-to-shoot transloca-

tion and high bioconcentration factors, and tolerate high shoot metal concentrations

(Barceló and Poschenrieder 2003). Unfortunately, most metal hyperaccumulator

plants grow quite slowly and have a low biomass, while plants that produce a high

biomass quickly are usually sensitive to high metal concentrations.
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HM complexes in hyperaccumulators plants are mainly associated with carbox-

ylic acids like citric, malic, and malonic acids. These organic acids are implicated in

the storage of HMs in leaf vacuoles. Amino acids like cysteine, histidine glutamic

acids, and glycine also form HM complexes in hyperaccumulators (Homer et al.

1997). These complexes are more stable than those with carboxylic acids. They are

mostly involved in HM transport through xylem. Moreover, hyperaccumulator

plants can increase availability of metals like Fe and also Zn, Cu, and Mn by

releasing chelating phytosiderophores. Hyperaccumulation mechanisms may then

be related to rhizosphere processes such as to the release of chelating agents

(phytosiderophores and organic acids) and/or to differences in the number or

affinity of metal root transporters (Lombi et al. 2001).

Although hyperaccumulator plants are widely used in phytoextraction, they are

generally of low biomass, inconvenient for phytoremediation. However, arbuscular

mycorrhizae fungi (AMF), especially Glomus intraradices, and colonized Festuca
and Agropyron species have shown higher HM (Zn, Cd, As, and Se) content than

non-colonized controls (Giasson et al. 2006). As for hyperaccumulators, fungi can

synthesize cysteine-rich metal-binding proteins called metallothioneins (Gadd and

White 1989). AMF might therefore be directly implicated in HM hyperaccu-

mulation in plants.

Cellular Mechanisms of Plant Metal Detoxification and Tolerance

Although many metals are essential, all metals are toxic at higher concentrations,

because they cause oxidative stress by formation of free radicals and/or they can

replace essential metals in pigments or enzymes disrupting their function. Thus,

metals render the land unsuitable for plant growth and destroy the biodiversity.

However, as discussed earlier, some specific plant species preferentially grow on

metalliferous soils and are capable to accumulate very high levels of specific

metals.

These plants are perfectly adapted to the particular environmental conditions of

their habitat, and high metal accumulation may contribute to their defense against

herbivores and fungal infections (Barceló and Poschenrieder 2003). However,

usually, the metabolic and energetic costs of their adaptation mechanisms do not

allow them to compete efficiently on uncontaminated soil with non-metallophytes.

Metal hyperaccumulators are highly specialized models of plant mineral nutrition.

As it has been discussed by Barceló and Poschenrieder (2003), several hypotheses

have been proposed to explain the mechanisms of metal hyperaccumulation includ-

ing (1) complex formation and compartmentation, (2) deposition hypothesis,

(3) inadverted uptake, and (4) hyperaccumulation as a defense mechanism against

abiotic or biotic stress conditions (Barceló and Poschenrieder 2003).

Plants may use several potential cellular/molecular mechanisms for detoxifica-

tion of and tolerance to excess concentrations of specific HMs in the environment

(Hall 2002). Generally, the strategy adopted by plants aims to avoid the buildup of

excess metal levels in the cytosol and thus to prevent the onset of toxicity
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symptoms. This is achieved by the use of various mechanisms that are present and

likely to be employed in general metal homeostasis in all plants. It appears likely

that specific mechanisms are employed for specific metals in particular species.

Potential cellular mechanisms for metal detoxification and tolerance in higher

plants include (but not limited to) (a) restriction of metal movement to roots by

mycorrhizas, (b) binding to cell wall and root exudates, (c) reduced influx across

plasma membrane, (d) active efflux into apoplast, (e) chelation in cytosol by various

ligands, (f) repair and protection of plasma membrane under stress conditions,

(g) transport of PC–Cd complex into the vacuole, and (h) transport and accumula-

tion of metals in vacuole (Hall 2002). It is also possible that more than one

mechanism may be involved in reducing the toxicity of a particular metal

(Hartley-Whitaker et al. 2001; Hall 2002). These processes involved in reducing

toxicity are of considerable current interest because an understanding of the means

of manipulating metal tolerance could be important in the development of crops

for phytoremediation of, for example, HM-contaminated soils (Salt et al. 1998).

However, as discussed by others (e.g., Hall 2002), there is no single mechanism

that can account for tolerance to a wide range of metals (Macnair et al. 2000).

Although not always considered in general reviews of plant metal tolerance

mechanisms, mycorrhizas, and particularly ectomycorrhizas that are characteristic

of trees and shrubs, can be effective in ameliorating the effects ofmetal toxicity on the

host plant (e.g., Hüttermann et al. 1999; Jentschke and Godbold 2000). However, the

mechanisms involved in conferring this increase in tolerance have proved difficult to

resolve; theymay be quite diverse and show considerable species andmetal specificity

since large differences in response tometals have been observed, both between fungal

species and to different metals within a species (e.g., Hüttermann et al. 1999;

Rahmanian et al. 2011).

The mechanisms employed by the fungi at the cellular level to tolerate HMs are

probably similar to some of the strategies employed by higher plants, namely,

binding to extracellular materials or sequestration in the vacuolar compartment.

Regarding the role of ectomycorrhizas in metal tolerance by the host plant, most

mechanisms that have been proposed involve various exclusion processes that

restrict metal movement to the host roots. These have been extensively reviewed

and assessed (Jentschke and Godbold 2000) and include absorption of metals by the

hyphal sheath, reduced access to the apoplast due to the hydrophobicity of the

fungal sheath, chelation by fungal exudates, and adsorption onto the external

mycelium.

14.3.2.2 Bioremediation

Gadd (2001) defined bioremediation as an area of environmental biotechnology and

as the application of biological processes to the treatment of pollution. Applications

of fungi in environmental protection and recovery of metals have received more

attention in recent years. Biosorbent fungi are engaged microorganisms for the

process of biosorption of metal ions on their surface. Biosorption to Rhizopus,
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Mucor, Penicillium, and Aspergillus genera is well documented. Biosorption is the

non-metabolic sorption process. Many potential binding sites are present in fungal

cell walls, including chitin, chitosan, amino, carboxyl, phosphate, sulfhydryl, and

other functional groups (Volesky and Holan 1995; Gadd 2001). Fungal solubiliza-

tion of insoluble metal compounds occurs by several mechanisms such as proton-

ation of the anion of the metal compound, the production of organic acids,

siderophores (it is also as extracellular metal-binding molecules), and chelating

agents (Morley et al. 1996; Singh 2006). Metal sequestration in the cytosol by

induced metal-binding molecules such as metallothioneins and phytochelatins is an

intracellular detoxification in fungi (Cobbett 2000). Metal(loid)s may be

transformed by fungal reduction, methylation, and dealkylation, so through this

mobility and toxicity of metals modified (Gadd 2001). Mechanisms of fungal

biosorption, solubilization, transformation, and immobilization of metal(loid)s are

of potential for bioremediation.

14.3.2.3 Mycoremediation: Fungal Bioremediation

Mycoremediation is a form of bioremediation, which more broadly refers to

degrading or removing organic and inorganic toxicants in the environment using

biological processes. Mycoremediation went from the theoretical to the practical

just over a decade ago. The term “mycoremediation” was coined by the American

mycologist Paul Stamets, who has studied many potential uses of mushrooms.

Mycoremediation is the process of using fungi to return an environment

contaminated by pollutants to a less or without contaminated state. It can apply to

contaminated soil, oil spills, industrial chemicals, contaminated surface water, and

farm waste. It is not widely used at present, but the below-noted applications

suggest its broader potential. Some examples of used fungi included the following:

Lentinus edodes can degrade pentachlorophenol (PCP), Pleurotus pulmonarius can
degrade atrazine, Phanerochaete chrysosporium can degrade biphenyl and triphe-

nylmethane, and some fungi have also proven useful in remediation of HMs that are

not degraded further but fungi can extract them from soil or water and accumulate

them in their or host tissues (Singh 2006). Some of them are hyperaccumulators,

capable of absorbing and concentrating HMs in the mushroom fruit bodies. The

mushrooms can be used to remediate the metal-polluted soil. Many studies carried

out to evaluate the possible danger to human health from the ingestion of

mushrooms containing HMs (Gast et al. 1998; Ouzouni et al. 2007; Elekes et al.

2010). Numerous data on metal contents in fungal fruiting bodies were published

previously (Alonso et al. 2003; Soylak et al. 2005; Svoboda et al. 2006; Elekes et al.

2010), and the reported metal concentrations in the fruiting body of mushrooms

vary from one species to another, because of many factors affecting the accumula-

tion rate (Elekes et al. 2010). Elekes et al. (2010) indicated that HM concentrations

in the fruiting body of mushrooms were mean values of 11.94 mg kg�1 for Ti,

1.07 mg kg�1 for Sr, 1,163.86 mg kg�1 for Bi, and 17.49 mg kg�1 for Mn. The

bioconversion factor of HMs represented the level of metals concentration in the
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mushrooms body correlated with the metallic element in the soil on which the

fungus grow and had the highest values in Marasmius oreades species for bismuth

and titanium. Totally, fungi perform a wide variety of ecosystem functions such as

the important role in mycoremediation and may be a simple and relatively cheap

method of environmental remediation, especially if indigenous species of each site

are isolated, identified, and used.

Mycorrhizoremediation with the Emphasis on Arbuscular Mycorrhizal Fungi

Mycorrhizas are mutualistic associations of plant roots and fungi. The symbiotic

fungi are provided with carbon by the photobionts, while the fungi may protect

the symbiosis from harsh environmental conditions, increase the absorptive area,

and provide increased access to inorganic nutrients and water (Gadd 2010). The

mycelium of mycorrhizal fungi is more resistant to abiotic agents than the root

itself, and this may compensate for reduced root growth. They increase tolerance

to extreme conditions. They are crucial in the ecology and physiology of terres-

trial plants and are the rule in nature, not the exception (Khan 2006). Mycorrhizal

associations vary widely in structure and function and included arbuscular mycor-

rhiza, ectomycorrhiza, ectendomycorrhiza, arbutoid mycorrhiza, monotropoid

mycorrhiza, ericoid, and orchid mycorrhiza. Mycorrhizal fungi act on ecosystems

in widely different ways. Amongst them the arbuscular mycorrhizal fungi (AMF)

are of ecological and economical importance. AMF are universal and ubiquitous

rhizosphere microflora forming symbiosis with plant roots of Bryophyta,

Pteridophyta, Gymnospermae, and Angiospermae in nature (Smith and Read

2008). The AMF are as biofertilizers and bioprotectants. They cannot be cultured

in the absence of their host, and the extracellular hyphal network is not as

extensive as ectomycorrhiza associations. These fungi belong to Glomeromycota

(Schubler et al. 2001).

Occurrence of AMF has been reported in relation to plants growing on HM-

polluted soils (Leyval et al. 1995; Göhre and Paszkowski 2006; Khade and

Adholeya 2007; Zarei et al. 2008a, b). Many of plants are highly dependent on

arbuscular mycorrhiza. Use of arbuscular mycorrhizal symbiosis has multidirec-

tional effects such as excretion of chelating agents, producing of plant growth-

promoting factors and increasing of plant biomass, extending of soil rhizosphere

(mycorrhizosphere), and increasing of uptake per unit surface area. AMF can help

in ecosystem remediation (Gaur and Adholeya 2004). Rhizoremediation by mycor-

rhiza symbiosis, that is, mycorrhizoremediation, is an enhanced form of

phytoremediation (Khan 2006). In some cases, AMF have generally such a strong

influence on plant biomass and can increase HMs uptake and root-to-shoot transport

(phytoextraction), while in other cases AMF contribute to HM stabilization within

the soil/root and reduce their uptake (phytostabilization) (Zarei and Sheikhi 2010).

It was proved that the AMF are effective in immobilization of metals in the plant

rhizosphere and help in HM stabilization by their accumulation in a nontoxic form

in plant roots and extracellular mycelia (Zarei and Sheikhi 2010). There are similar
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strategies in decreasing of the toxic effects of HMs for fungi and host plants that

include immobilization of these elements by the fungal exudations, their deposit

in polyphosphate granular, adsorption of elements on the cell wall, and chelation in

the fungal organs (Göhre and Paszkowski 2006). Glomalin is a glycoprotein

produced abundantly on hyphae and spores of AMF in soil and in roots and is

able to link with HMs and extract them from the soil. Therefore, it can be said the

fungal strains that secrete more glomalin are more suitable for biological stabiliza-

tion (Göhre and Paszkowski 2006). Binding HMs with chitin in the cell wall of

fungal organs reduces their concentration in the soil solution, and broad absorption

surface of extraradical mycelia is considered an important source of discharged

HMs from the soil solution. The vesicles of fungi also have a role in accumulation

of toxic compounds and in this way can help in the detoxification of metals. High

concentration of HMs in mycorrhizal roots than non-mycorrhizal ones showed that

the fungus could maintain HMs in surface and/or within mycelia, for example, zinc

concentration in fungal mycelia in comparison with plant tissues was reported more

than ten times (Chen et al. 2001). Kaldorf et al. (1999) showed that most of zinc was

accumulated within the fungal tissue, such as vesicles inside the cells of root

cortex. It seems that the immobilization of HMs in fungal tissue is one of the

mechanisms of reducing HMs toxicity in mycorrhizal plants. The results of

Rufyikiri et al. (2004) indicated the accumulation of uranium in the plant root of

mycorrhizal plant that was exposed to the high levels of uranium and the supportive

effect of this fungus for the host plant. High uptake of HMs by mycorrhizal roots

and the possible role of AM fungus in phytostabilization were demonstrated by

Wang et al. (2007b) and Wang et al. (2007c).

Plant colonized by AMF can also increase the uptake and accumulate of HMs in

plant shoots or phytoextraction (Leung et al. 2006; Wang et al. 2007a). AMF

increased the uptake and accumulation of arsenic in hyperaccumulator plant of

Pteris vittata (Leung et al. 2006). It was shown dynamic and mobilization of zinc

and transferring to shoots of corn and clover colonized by AMF (Chen et al. 2003).

In a pot experiment, Zarei and Sheikhi (2010) illustrated that for corn and Festuca
plants and under the high soil pollution (500 mg Zn kg�1), Glomus mosseae
(a noticeable indigenous fungus in HM-contaminated soil) was the most effective

fungal species in Zn extraction and translocation.

Overall, it is possible to enhance and improve the capabilities of plants in

different types of phytoremediation processes by inoculating with appropriate

arbuscular AMF (i.e., mycorrhizoremediation).

The potential role of mycorrhizoremediation in HM-contaminated soils is

becoming an interest, and it needs to completely understand the ecological

complexities of the plant–microbe–soil interactions, mechanisms for how AMF

are involved in HM absorption and transportation in plants and the tolerance to HM.

Multidisciplinary investigations using molecular, biochemical, and physiological

techniques and employment of appropriate combination of plant–fungus in reme-

diation strategies for HM-contaminated soils may be helpful.
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Diversity of AMF in Contaminated Soils

The presence of AMF propagules in the HM-polluted soils was abundantly reported

(Bohn and Liberta 1982; Diaz and Honrubia 1994; Pawlowska et al. 1996; Gaur and

Adholeya 2004). Weissenhorn et al. (1993) measured root colonization in the

polluted soils with 1,220 and 895 mg cadmium and lead per kg, respectively, up

to 40 %. Root colonization rate in the dominant native plants of an HM-

contaminated site was measured 35–85 % and the spore numbers 80–1306 per

200 g dry soil along the transect (Zarei et al. 2008a). Many plant species, such as

Fragaria vesca, Viola calaminaria, Veronica rechingeri, Solidago gigantea,
Thymus polytrichus, Holcus lanatus, and Thlaspi praecox, growing well at natural

HM-polluted areas were colonized by diverse AMF. Acaulospora, Entrophospora,
Gigaspora, and Glomus genera in symbiosis with plant species grown in the

HM-contaminated soils were identified (Tonin et al. 2001; Turnau et al. 2001;

Gonzalez-Chavez et al. 2002; Whitfield et al. 2004; Vallino et al. 2006; Vogel-

Mikus et al. 2006; Zarei et al. 2008a, b; Long et al. 2010; Zarei et al. 2010). Some

AMF species and sequences types may be exclusively found in the high HM

pollution levels (Zarei et al. 2010). Long et al. (2010) studied the diversity of

AMF communities associated with five selected plant species (Phytolacca
americana, Rehmannia glutinosa, Perilla frutescens, Litsea cubeba, andDysphania
ambrosioides) from severely HM-polluted soils in Dabaoshan Mine region, China,

using molecular methods. DGGE and sequence analysis revealed that Glomus
dominated all of the samples except for the roots of D. ambrosioides, while

Kuklospora and Ambispora dominated the roots of D. ambrosioides and the

rhizosphere of P. americana. The studies indicated that diverse AMF are associated

with plants grown in HM-polluted soils.

Arbuscular Mycorrhiza and HMs

High amounts of HMs can delay, reduce, or even completely eliminate AMF spore

germination and AM colonization (Gildon and Tinker 1981; Del Val et al. 1999).

Similarly, Boyle and Paul (1988) reported a negative correlation between Zn

concentrations in a soil treated with urban-industrial sludge and AM colonization

in barley. In other studies, however, the addition of metal containing sludge did not

affect AM development under field conditions (Arnold and Kaputska 1987). These

contrasting results may be explained due to the fact that different AMF ecotypes

can exhibit varying degrees of tolerance to metals (Haselwandter et al. 1994). A

higher tolerance to Cu, Zn, Cd, and Pb of indigenous fungi from sludge-polluted

sites, in comparison to reference isolates from unpolluted soils, has been reported

(del Val et al. 1999). AMF species isolated from the HM-polluted soil could be

more adapted and tolerated to HM pollution (Gildon and Tinker 1983; Weissenhorn

et al. 1993; Diaz et al. 1996). Gildon and Tinker (1981) isolated a strain of Glomus
mosseae from HM-contaminated soils that could tolerate 100 mg Zn kg�1. Dueck

et al. (1986) reported the presence of some strains of Glomus fasciculatum as
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tolerant strains to HMs in the several HM-contaminated areas in the Netherlands.

Weissenhorn et al. (1993) isolated the spores belonging to Glomus mosseae group
from contaminated soils with HMs in France. They showed that the two Glomus
mosseae strains isolated from the polluted soils with cadmium had the ability to

tolerate the cadmium concentrations from 50 to 70 and 200 to 500 mg l�1, respec-

tively. Sensitivity of different AM species or isolates and even propagules to

different HMs may be varied. This can be dependent on phenotypes or genotypes

characteristics of fungal species and HM type. Zarei (2008) demonstrated spore

numbers were more affected by Zn and Pb concentrations than root colonization.

The variations of AM fungi propagules were more related to available than total

concentration of both metals. Metal-adapted AMF have a more efficient protecting

effect on metal tolerance of host.

Mechanisms for HM Tolerance in AMF

Because of being compulsive of AMF symbiosis with plants and lack of its growth

in conventional culture media, less information is available about the tolerance

mechanisms of these fungi to HMs. The more information was based on plant

response to HMs and observation of fungal structures within colonized roots, which

were difficult to separate of fungal and plant responses. Different mechanisms were

proposed for explanation of plant responses to the high concentrations of HMs.

Primary effects can be diagnosed in the molecular, biochemical, and cellular levels,

and next effects are visible in the physiological and organelle levels. Generally,

suggested tolerance mechanisms of AMF to HMs are reviewed by Göhre and

Paszkowski (2006), Gonzalez-Chavez et al. (2006), and Hildebrandt et al. (2007).

In these fungi, the tolerance does not have a general pattern and may be different

among species in the response to a particular metal. There are also large changes in

the rate of tolerance to HMs among different populations of a species or ecotype.

The mechanisms included extracellular chelation, binding of HM to the cell wall

components of fungi, control of HMs transferring to the cell by metals’ specific and

nonspecific carriers in their plasma membrane, chelation in the cytoplasm as an

intracellular buffer system, HM export via specific or nonspecific active or passive

transport from cells and metal sequestration in the vacuoles, transport of HMs in the

hyphae of the fungus, and active and passive transport of metals from the arbuscules

to plant cells. Effects of AMF on the plant nutrition, root exudations, rhizosphere

microbial communities, soil structure, and protection against environmental

stresses can be considered indirect mechanisms in the increasing tolerance to

HMs (Chen et al. 2003; Turnau et al. 2006; Vivas et al. 2006).

AMF colonization of the roots has a significant impact on the expression of

several plant genes coding for proteins presumably involved in HM tolerance/

detoxification. A novel metallothioneins (MT)-like polypeptide designated

GmarMT1 that is modulated in a metal and life cycle stage-dependent manner

and may afford protection against HMs (and other types of stress) to both partners

of the AM symbiosis (Lanfranco et al. 2002). Hildebrandt et al. (2007) described
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genes expression in extraradical mycelia (ERM) of in vitro cultured Glomus
intraradices Sy167 supplemented with different HMs (Cd, Cu, or Zn). The expres-

sion of several genes encoding proteins potentially involved in HM tolerance varied

in their response to different HMs. Such proteins included a Zn transporter, a

metallothionein, a 90-kDa heat shock protein, and a glutathione S-transferase (all

assignments of protein function are putative). Studies on the expression of the

selected genes were also performed with roots of Medicago truncatula grown in

either a natural, Zn-rich HM soil or in a non-polluted soil supplemented with

100 mM ZnSO4. The transcript levels of the genes analyzed were enhanced up to

eightfold in roots grown in the HM-containing soils. The data obtained demonstrate

the HM-dependent expression of different AMF genes in the intra- and extraradical

mycelium. The HM-dependent induction of genes encoding a heat shock protein

and a glutathione S-transferase in the mycelium of the AMF G. intraradices Sy167
suggests that alleviating the HM-induced oxidative stress might be of primary

concern for AMF exposed to elevated HM. Other strategies possibly contributing

to HM tolerance appear to be involved as well, which is indicated by the signifi-

cantly enhanced expression of the metallothioneins and the Zn transporter gene,

particularly under Cu stress. Molecular bases of HM tolerance in AM symbiotic

system may also help the selection of the most effective AMF isolates (Tonin et al.

2001; Turnau et al. 2001) and plant–fungus combinations for bioremediation and

soil protection purposes.

14.4 Biotechnological Approaches to Improve Phyto-

and Bioremediation Efficiencies

With advances in biotechnology, biological remediation techniques, including

phyto- and bioremediation, have become one of the most rapidly developing

fields of environmental restoration and have been commercially applied for the

treatment of hazardous wastes and contaminated sites. HM-hyperaccumulating

plant species which possess a unique ability to accumulate metals to extremely

high concentrations without suffering any toxic effects are unsuitable for

phytoextraction purposes, due to their slow growth rate and low biomass. Genetic

modification of fast-growing plants might be a viable alternative and provides a

powerful method of improving the capacity of these plants to remediate various

contaminants including HMs. Additionally, hyperaccumulators can provide an

important resource of genes which are responsible for trace element hyperaccu-

mulation and detoxification through unique biochemical and genetic mechanisms

(Glazer and Nikaido 2007).

One of the important approaches using genetic engineering to enhance

phytoremediation potential is to transform fast-growing host plants with unique

genes from natural hyperaccumulators. One such gene encodes the enzyme

selenocysteine methyltransferase (SMT), which has been cloned from the Se
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hyperaccumulator, Astragalus bisulcatus (Arshad et al. 2007). SMT converts the

amino acid, selenocysteine, to the nonprotein amino acid, methylselenocysteine

(MetSeCys). By doing so, it diverts the flow of Se from the Se-amino acids that may

otherwise be incorporated into protein, leading to alterations in enzyme structure

and function and possible toxicity. Additionally, Se-Cys may also cause oxidative

damage. Transgenic plants overexpressing SMT show enhanced tolerance to Se,

particularly selenite, and produced three- to sevenfold more biomass than the wild

type plants.

Metallothioneins (MTs) and phytochelatins (PCs) are well-known HM-chelating

proteins and peptides that play important roles in the detoxification of toxic HMs

and the regulation of intracellular concentrations of essential metals in various

organisms. Therefore, the expression of MTs and PCs in higher plants in order to

enhance tolerance to HMs and their accumulation has great potential for

phytoremediation of toxic HMs from contaminated soil and water (Meagher

2000; Mejare and Bülow 2001). Researchers expected that increasing the

concentrations of metal-binding proteins or peptides in plant cells would increase

metal-binding capacity and tolerance. In higher plants, PCs mainly function for

detoxification of toxic HMs rather than MTs. Moreover, PCs have a higher metal-

binding capacity rather than do MTs (Mehra and Mulchandani 1995). Therefore,

modification or overexpression of PC synthase for accumulation of high levels of

PCs seems to be a more practical approach to enhance HM accumulation in plants

(Kazumasa et al. 2005). Overexpression of genes involved in PC synthesis, such as

GSH1, GSH2, and PCS, encoding gamma-glutamylcysteine synthetase, glutathione

synthetase, and PC synthase, respectively, has been shown to increase Cd tolerance

in various heterologous expression systems. Likewise, heterologous MT

overexpression often leads to increased tolerance to Cu and, occasionally, Cd and

Zn. In general, overexpression of metal sequestration traits is associated with

marginally to moderately increased accumulation of the metals concerned, presum-

ably due to a delayed downregulation of the transporters involved in their uptake.

The approach of overexpressing genes that catalyze rate-limiting steps can also

be used for the phytoremediation of HMs. GSH (Glu-Cys-Gly) plays an essential

role in HM detoxification by plants. GSH is the direct precursor of PCs, which are

metal-binding peptides involved in HM tolerance and sequestration (Steffens 1990).

Additionally, GSH is a major component of the active oxygen scavenging system of

the cell (Thomas 2008) and can protect the plant cell from Cd-induced oxidative

stress (Gallego et al. 1996; Wecks and Clisjsters 1997). It is also possible that GSH

detoxifies Cd by directly forming a GSH–Cd complex such as that reported for yeast

(Litz and Lavi 1997). The role of GSH and PCs in HM tolerance is illustrated by the

Cd hypersensitivity of Arabidopsis mutants defective in GSH and PC biosynthesis

(Howden et al. 1995). g-glutamylcysteine synthetase (g-ECS) catalyzes the first step
in the ATP-dependent synthesis of GSH. This is considered to be the rate-limiting

step in the biosynthesis of GSH since the activity of this enzyme is subject to

feedback regulation by GSH and is dependent upon the availability of cysteine

(Steffens 1990). Zhu et al. (1999) studied the effect of overexpression of E. coli-
g-ECS, targeted to the chloroplasts of Indian mustard. The transgenic plants had

14 Fungi and Their Role in Phytoremediation of Heavy Metal-Contaminated Soils 331



two- to threefold higher levels of g-EC as well as GSH and PCwhen subjected to Cd.

Their increased Cd tolerance was almost certainly due to their higher production of

PCs or GSH. In addition to conferring tolerance to Cd, overexpression of g-ECS led

to an increase in total shoot S suggesting an added advantage of enhanced S

assimilation (Zhu et al. 1999). Similar results were also obtained in the case of

poplar plants overexpressing g-ECS (Arisi et al. 2003; Noctor et al. 1998).

Overexpression of glutathione synthetase in Indian mustard also led to enhanced

levels of GSH and PC2 in the presence of HMs (Zhu et al. 1999).

In the field of bioremediation, advances in genetic and protein engineering

techniques have opened up new avenues to move towards the goal of genetically

engineered microorganisms (GEMs) to function as “designer biocatalysts,” in

which certain desirable biodegradation pathways or enzymes from different

organisms are brought together in a single host with the aim of performing specific

reactions. A number of opportunities for improving degradation performance using

GEMs have been described (Timmis and Piper 1999). Genetic engineering also

permits the combination of several degradative activities within a single host

organism. If a single strain is constructed to perform several related or unrelated

metabolic activities, the efficiency and predictability of the process may be signifi-

cantly enhanced. Such recombinant strains may be useful for the bioremediation of

recalcitrant compounds (Brenner et al. 1994). Requirements for the design of

bacteria with multiple pathways for use in bioremediation have been described

(Lau and Lorenzo 1999; Gibson and Parales 2000). Timmis and Piper (1999)

suggested a strategy for designing organisms with novel pathways and the creation

of a bank of genetic modules encoding broad specificity enzymes or pathway

segments that can be combined at will to generate new or improved activities.

The use of appropriate regulatory circuits can enhance substrate flux through these

designed pathways, and rationally engineering the pathway branch points can avoid

or reduce substrate misrouting (Timmis and Piper 1999).

The diversity and adaptability of microorganisms allows them to thrive in harsh,

toxic environments that prevent the growth of higher plants. For example, solar

evaporation ponds, which are used to collect Se-contaminated agricultural drainage

water, have extremely high concentrations of salt, Se, and other toxic trace

elements. The specific composition of the microbial communities present in these

ponds may themselves be useful for the bioremediation of Se since bacteria are able

to produce volatile Se (Danika et al. 2005). Additionally, they may serve as

reservoirs of unique genes involved in tolerance and volatilization of Se. Identifi-

cation of the genes involved in these processes could pave the way for generating

highly efficient plants by transferring these genes to the plants (McIntyre 2003).

Nowadays, developing methods to accelerate natural processes used in bioreme-

diation of contaminated environments and also scientific understanding needed to

harness these processes is necessary. Except few limiting factors, this technology

has the ability to rejuvenate the contaminated environments effectively. However,

rapid advances in the last few years have helped us in the understanding of process

of bioremediation. The use of culture-independent molecular techniques has defi-

nitely helped us to understand the microbial community dynamics and structure and
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assisted in providing the insight in to details of bioremediation which has surely

facilitated to make the technology safer and reliable. Bioremediation in relation to

process optimization, validation, and its impact on the ecosystem can be performed,

and by judicious use of the models that can predict the activity of microorganisms

that are involved in bioremediation with existing geochemical and hydrological

models, transformation of bioremediation from a mere practice into a science is

now a reality. With the exciting new development in this field and focus on

interdisciplinary research and using it on gaining the fundamental knowledge

necessary to overcome the obstacles facing current technologies and also with

respect to ethical, legal, and social issues involved, this technology will go a long

way in cleaning the environment in near future (Keshav et al. 2010).

14.4.1 Assessment of Remediation Efficiency by
Microbial Indicators of Soil Health

Despite the current great interest in improving the HM extraction capacity of

hyperaccumulating plants, their influence on soil microorganisms has been rarely

investigated (Delorme et al. 2001; Gremion et al. 2004). In fact, up to date, when

evaluating the success of a phytoextraction process, emphasis has mostly been

placed on metal removal. But it is most important to emphasize that the ultimate

goal of any soil remediation process (physicochemical or biological processes)

must be not only to remove the contaminant(s) from the polluted site or to render

their harmless but also, most importantly, to restore the capacity of the soil to

perform or function according to its potential as well (i.e., its health) (Hernandez-

Allica et al. 2006). After all, some traditional methods of soil “remediation”

irreversibly alter the functionality of the soil ecosystem while removing the

contaminants, which is clearly not desirable and must be avoided at all costs. Soil

quality or soil health (both terms are often used interchangeably) can be defined as

the capacity of a given soil to successfully and sustainably perform its functions and

ecosystem services from both an anthropocentric and ecocentric point of view and,

most importantly, to properly recover its functionality after a disturbance. Regard-

ing the recovery of soil health/functioning derived from the phytoextraction pro-

cess, an ideal target should be to return to the conditions of a valid control soil (i.e.,

a vegetated, unpolluted soil of similar physicochemical properties and subjected to

the same edaphoclimatic conditions). In this respect, indicators of soil health are

needed to properly assess the efficiency of a phytoextraction process (Alkorta et al.

2003). Although to date, much more emphasis has been placed on physicochemical

indicators of soil health, particularly, when evaluating the impact of agricultural

practices on soil fertility and quality. Nonetheless, in the last years biological

indicators such as enzyme activities, microbial biomass, basal- and substrate-

induced respiration, potentially mineralizable N, and structural and functional

biodiversity are most promising due to their being more sensitive to changes in
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the soil as well as to their capacity to provide information that integrates many

environmental factors (Alkorta et al. 2003). Moreover, biological monitoring has

special relevance to human health because it evaluates the effects of environmental

changes on key elements of the food chain (Pandolfini et al. 1997). From all of the

above, it is concluded that the success of metal phytoremediation procedures

(phytoextraction and phytostabilization) must be evaluated not only in relation to

the reduction of the concentration of total and bioavailable HMs but, most impor-

tantly, through the careful monitoring of the recovery of soil health using, among

others, soil microbial properties as bioindicators, as microorganisms have a vital

role in the functioning of the soil ecosystem.

Dehydrogenase activity, an intracellular process that occurs in every viable

microbial cell, is used to determine overall microbiological activity of soil

(Nannipieri et al. 2002). Soil microbial activity can also be measured through the

determination of soil basal respiration (ISO 16072 Norm). In turn, soil microbial

functional diversity can be determined through the utilization of community level

physiological profiles (CLPPs) which reflect the potential of the cultivable portion

of the heterotrophic microbial community to respond to carbon substrates (Bending

et al. 2004). Substrate (glucose)-induced respiration (SIR) is a suitable indicator of

potentially active microbial biomass (ISO 17155 Norm). The addition of carbon

sources, other than glucose, commonly reported as constituents of root exudates

might convert SIR into an ecologically more relevant parameter for testing

rhizospheric microbial communities (Dedourge et al. 2004). The microbial respira-

tion quotient (QR ¼ basal soil respiration to SIR ratio) has been used to assess the

effects of various perturbations in soil ecosystems (Insam and Domsch 1988).

Evaluating soil microbial biomass through numerous methods is another

bioindicator to access the success of remediation processes. Traditional enrichment

culture-based techniques, such as heterotrophic plate counts, are frequently used;

however, biases may be introduced by media type and richness, presence or absence

of oxygen, and numerous other factors. Such techniques are thought to reveal as

little as 10 % of the total microbial diversity in soil. For this reason, innovative

methods have been developed to more completely describe soil microbial diversity.

Recent scientific advances have made it possible to use molecular biological

techniques for assessment of microbial communities in complex environmental

systems. Several molecular biological techniques, such as PCR amplification,

cloning, and sequencing of ribosomal RNA genes, denaturing gradient gel electro-

phoresis (DGGE), phospholipid fatty acid (PLFA) analysis, and thermal-GGE

(TGGE), have recently been embraced by the environmental science community

as important tools for predicting soil and water remediation success. Molecular

methods, such as denaturing gradient gel electrophoresis (DGGE), rely on genetic

differences to draw distinctions between microbes and microbial populations.

Chemical extraction of phospholipid-fatty acids from soil can provide both a

description of the diversity in that soil and an estimate of the microbial biomass

present. Finally, most probable number (MPN), a specialized enrichment technique

utilizing substrates of interest, gives an estimate of the number of organisms in an

environment capable of degrading specific contaminants. Taken individually,
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DGGE, phospholipid-fatty acid analysis, and MPN are all useful tools for under-

standing microbial communities. In combination, however, they are likely to yield

extensive information on microbial biomass and community diversity. Further-

more, they provide the capability to pinpoint dominant groups of organisms and

to assess the microbial community’s ability to degrade contaminants. Integration of

these diverse methods represents a potentially powerful tool for characterization—

and, ultimately, optimization—of bioremediation systems.

Well-characterized techniques such as DGGE and TGGE separate amplification

products by sequence-dependent helix denaturation and the accompanying change

in electrophoretic mobility. Another approach, single-strand conformation poly-

morphism (SSCP), takes advantage of sequence-dependent conformational

differences between reannealed single-stranded products, which also results in

electrophoretic mobility changes. The T-RFLP was developed most recently and

has three clear advantages. First, direct reference to the sequence database is

possible. Second, the nucleic acid sequencing technology has considerably greater

resolution than the electrophoretic systems of either DGGE or SSCP. Third, the

T-RFLP gel analysis is instantaneous and the output is digital. So, T-RFLP is a

molecular approach that can assess subtle genetic differences between strains as

well as provide insight into the structure and function of microbial communities.

The technique has both high sensitivity and throughput; it is an ideal tool for

comparative analyses.

Amplified ribosomal DNA restriction analysis (ARDRA) is another community

analysis technique that provides a representation of the microbial community

through restriction analysis of clones in an rDNA library. Although ARDRA was

effective for identifying phylogenetic groups in a highly diverse community, it is

prohibitively expensive and time consuming for this research project, because of

the construction of clones and the identification of environmental clones by

sequence analysis. In conclusion, T-RFLP provides a sensitive and rapid technique

for assessing amplification-produced diversity within a community as well as

comparative distribution across communities.

14.5 Conclusions and Perspective

The soil will become more and more valuable as a commodity. The preservation of

soil quality, including its restoration in case the latter has been lost, certainly is a

business opportunity, which will keep growing in all developed and industrialized

countries. Phytoremediation is the processes of cleaning contaminated soils by

making use of the metabolic properties of plants. During the last two decades,

this field of soil remediation holds great potential as an environmental cleanup

technology which has been extensively researched and developed. The search for

hyperaccumulating plants has recently involved the identification of metal-

excluding plants to learn more about plants that ensure that at least the edible part

of the plant will be free of toxic metals. Scientists expect that the mechanisms
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responsible for storing or excluding metals in plants are interrelated and that

knowledge of one will lead to an understanding of the other. Genetic engineering

approaches are currently being used to optimize the metabolic and physiological

processes that enable hyperaccumulating plants to phytoremediate sites

contaminated with HMs and metalloids. Someday, genetically modified plants

will be developed to extract all types of contamination from soil and water and,

at the same time, eliminate the largest drawback to current phytoremediation

technology—the time required for plants to remediate contaminated sites. Microbes

isolated from highly contaminated environments represent another potentially huge

reservoir of new genes and unique metabolic capabilities that could be transferred

to plants to enhance their phytoremediation potential. Microbes, in many cases, are

more efficient in accumulating and absorbing HMs because of their astronomical

amount and specific surface area. Furthermore, technique of genetic engineering in

microbes is easier and more mature than in plant cells. Just as in pristine sites, there

is always a close interaction between the microorganisms in the rhizosphere like

plant growth-promoting rhizobacteria (PGPR) and arbuscular mycorrhizal fungi

(AMF) and host plants which can lead to an increased activity related to soil

remediation (Compant et al. 2010). Thus, understanding and controlling the com-

bination of soil, a beneficial rhizo- and/or endospheric microbial community and

plants systems, and, even more important, their interactions provides a great

opportunity for various innovative approaches to improve soil cleaning and pro-

duction processes. Recent research on PGPR and AMF combined with genetic

engineering illustrates a promising vision for future research. While advances in

remediation have increased the effectiveness of HM degradation, still little is

known about the interactions between PGPR, AMF, plant roots, and other

microorganisms. Also, the mechanism of mobilization and transfer of metals is

not fully understood. Additionally, most phytoremediation studies with PGPR and

AMF have been conducted in the lab or greenhouse, overlooking the more compli-

cated natural ecosystem. Amore comprehensive understanding of these microbes in

their natural environment is needed for this technology to reach its full potential.
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Frostegård Å, Tunlid A, Bååth E (1996) Changes in microbial community structure during long-

term incubation in two soils experimentally contaminated with metals. Soil Biol Biochem 28:

55–63

Fulladosa E, Murat JC, Martı́nez M, Villaescusa I (2005a) Patterns of metals and arsenic poisoning

in Vibrio fischeri. Chemosphere 60:43–48

Fulladosa E, Murat JC, Villaescusa I (2005b) Study on the toxicity of binary equitoxic mixtures

of metals using the luminescent bacteria Vibrio fischeri as a biological target. Chemosphere

58(5):551–557

Gadd GM (2001) Fungi in bioremediation. Cambridge University Press, Cambridge

Gadd GM (2010) Metals, minerals and microbes: geomicrobiology and bioremediation. Microbi-

ology 156:609–643

Gadd GM, White C (1989) Heavy metal and radionuclide accumulation and toxicity in fungi and

yeasts. In: Poole RK, Gadd GM (eds) Metal-microbe interactions. Special publication of the

Society for General Microbiology, vol 26. IRL/Oxford University Press, New York, pp 19–38

Gallego SM, Benavides MP, Tomaro ML (1996) Effect of heavy metal ion excess on sun-flower

leaves: evidence for involvement of oxidative stress. Plant Sci 121:151–159

Gang WU, Kang H, Xiaoyang Z, Hongbo S, Liye C, Chengjiang R (2010) A critical review on the

bio-removal of hazardous heavy metals from contaminated soils: issues, progress, eco-

environmental concerns and opportunities. J Hazard Mater 174:1–8

Garbisu C, Hernandez-Allica J, Barrutia O, Alkorta I, Becerril JM (2002) Phytoremediation: a

technology using green plants to remove contaminants from polluted areas. Rev Environ

Health 17:75–90

Gasper GM, Mathe P, Szabo L, Orgovanyl B, Uzinger N, Anton A (2005) After-effect of heavy

metal pollution in brown forest soils. Proceedings of the 8th Hungarian Congress on Plant

Physiology and the 6th Hungarian Conference on Photosynthesis. Acta Biologica Szegediensis

49:71–72

Gast CH, Jansen E, Bierling J, Haanstra L (1998) Heavy metals in mushrooms and their relation-

ship with soil characteristics. Chemosphere 17:789–799

Gaur A, Adholeya A (2004) Prospects of arbuscular mycorrhizal fungi in phytoremediation of

heavy metal contaminated soils. Curr Sci 86:528–534

Geiger G, Federer P, Sticher H (1993) Reclamation of heavy metal-contaminated soils: field

studies and germination experiments. J Environ Qual 22:201–207
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Chapter 15

Sustainable Agriculture in Saline-Arid

and Semiarid by Use Potential of AM Fungi

on Mitigates NaCl Effects

Mohammad Javad Zarea, Ebrahim Mohammadi Goltapeh, Nasrin Karimi,

and Ajit Varma

15.1 Introduction

The semiarid region encompasses a wide variety of agricultural systems where

water is probably one of the main keys to productivity. Water frequently limits

rainfed crop production in this area because of low annual precipitation (<450 mm)

and an uneven interannual distribution (Zarea 2010). Addition, field salinization is a

growing problem in these areas. For better nutrient management in semiarid areas,

an increased use of the biological potential is important. Many keys to agricultural

success in semiarid areas are to use the soil biology potential to maintain soil

fertility and to guard against erosion and water limiting (Zarea 2010).Use of AM is

important for producing several benefits of plant symbiosis under drought stress and

limited water (Zarea 2010).

Field salinization is a growing problem worldwide. It was estimated that 10 % of

the world’s cropland and as much as 27 % of the irrigated land may be already

affected by salinity (Shannon 1997). One-third of the world’s arable land resources

are affected by salinity (Qadir et al. 2000). Saline–alkaline soils occupy most arid

and semiarid areas of the world land and represent a major limiting factor in crop

production. Most of this salinity is natural, but the extent of saline soils is increasing

in a significant decrease in irrigation practices because of climate changing, saline

irrigation, and high evaporation which induce salt accumulation in the soil. Saline
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soils and saline irrigation constitute a serious production problem for vegetable

crops as saline conditions are known to suppress plant growth (Kohler et al. 2009),

particularly in arid and semiarid areas (Parida and Das 2005). Over 800 million

ha of land throughout the world are salt affected, either by salinity (397 million ha)

or the associated condition of sodicity (434 million ha) (Manchanda and Garg 2008;

FAO 2005). This is over 6 % of the world’s total land area. Most of this salinity and

all of the sodicity are natural. However, a significant proportion of recently

cultivated agricultural land has become saline because of land clearing or irrigation

(Manchanda and Garg 2008). Of the 1,500 million ha of land farmed by dryland

agriculture, 32 million (2 %) are affected by secondary salinity to varying degrees

(Manchanda and Garg 2008). Of the current 230 million ha of irrigated land,

45 million ha are salt affected (20 %) (FAO 2005). Irrigated land is only 15 % of

total cultivated land, but as irrigated land has at least twice the productivity of

rainfed land, it produces one-third of the world’s food (Munns 2005). Scientists have

searched for new salt-tolerant crop plants (Aronson 1985; Glenn and O’Leary

1985), developed salt-tolerant crops through breeding (Shannon 1984), and con-

tinue to investigate the physiology of genetic alterations involved in salt tolerance

(Apse et al. 1999). Other attempts to deal with saline soils have involved leaching

excessive salts (Hamdy 1990a, b) or desalinizing seawater for use in irrigation

(Muralev et al. 1997). Although these approaches have been successful, most are

beyond the economic means of developing nations (Cantrell and Linderman 2001).

Plant breeding may be available to those areas for some plant species, but they

would not be available for all the crops being grown (Cantrell and Linderman 2001).

Arbuscular mycorrhizal fungi (AM fungi) can reduce the impact of environmental

stresses such as salinity (Ruı́z-Lozano et al. 1996). Endomycorrhizal associations

often result in greater yields of crop plants even under saline conditions (Table 15.1).

Arbuscular mycorrhizal fungi (AM fungi) widely exist in salt-affected soils

(Juniper and Abbott 1993). To some extent, these fungi have been considered as

bio-ameliorators of saline soils (Azcón-Aguilar and Barea 1997; Singh et al. 1997;

Rao 1998).The use of plant symbiotic microorganisms, especially AM fungi, proves

useful in developing strategies to facilitate plant growth in saline soils (Kohler et al.

2009). The use of mycorrhizal fungi to promote plant growth in saline soils is a

developing technology (Bacilio et al. 2004). AM fungi can improve the performance

of plants under salinity stress (Porras-Soriano et al. 2009; Ruı́z-Lozano et al. 1996;

Al-Karaki 2006).

Low concentrations of salts may be beneficial to plant growth, even though they

reduce osmotic potential (Ben-Gal et al. 2009) and excessive concentrations that

have harmful effects. Low levels of Na are beneficial, and Cl is essential to plant

health (Marschner 1995). However, concentrations of Na and Cl in soil solution are

often above these beneficial amounts, and, therefore, both reduction of (leading to

reduced water uptake) and excess ion levels (leading to toxicity) are likely to occur

(Bernstein 1975).While many studies have demonstrated that inoculation with AM

fungi improves growth of plants under salt stress (Cho et al. 2006), relatively few

mechanisms have been demonstrated that explain the increased resistance to salt

stress of plants treated with AM fungi.
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The purpose of this chapter is to outline briefly the current state of knowledge

about the effect of salinity stress on crop yield, especially in semiarid areas. This

chapter focuses on interaction mechanisms which through by AM fungi ameliorate

the deleterious effects of salinity, including a brief discussion on how this knowl-

edge is currently being used and how an understanding of this could prove to be

important for sustainable agriculture in the future. This chapter outlines the poten-

tial of AM fungi on sustainability crop production under saline soil in arid and

semiarid areas. Methods of applying AM fungi that can overcome the challenges of

salinity stresses are presented.

15.2 Mechanism on Which Salt Affects Crop

Salt stress has been shown to affect plant growth, nutrient availability, and plant

physiology presses (Table 15.2).

Salinity is the concentration of dissolved mineral salts present in the soils

(soil solution) and waters. The dissolved mineral salts consist of the electrolytes of

cations and anions. The major cations in saline soil solutions consist of Na+, Ca2+,

Table 15.1 Effect of AM fungi on enhancement tolerance of several plants growing under salt

stress

AM fungi sp. Plant species References

Glomus mosseae Cotton Tian et al. (2004)

Glomus sp. Lactuca sativa Ruı́z-Lozano et al.

(1996)

Glomus sp. Lettuce Ruı́z-Lozano and

Azcón (2000)

Glomus deserticola Lettuce Ruı́z-Lozano and

Azcón (2000)

Glomus etunicatum Soybean Sharifi et al. (2007)

Glomus intraradices Atriplex nummularia L. Plenchette and

Duponnois (2005)

Glomus spp. Cucumber (Cucumis sativus L.) Rosendahl and

Rosendahl (1991)

Glomus clarum Pepper (Capsicum annum cv. 11B 14) Kaya et al. (2009)

Glomus etunicatum and

Glomus clarum
Banana (Musa sp. cv. Pacovan) Yano-Melo et al. (2003)

Glomus mosseae, Glomus
intraradices

Olive tree Porras-Soriano et al.

(2009)

VA mycorrhizal fungi Lettuce (Lactuca sativa L.) and onion

(Allium cepa L.)

Cantrell and Linderman

(2001)

Glomus fasciculatum Acacia nilotica Giri et al. (2007)

Glomus intraradices,
Gigaspora margarita

Sorghum Cho et al. (2006)

Glomus mosseae Maize Sheng et al. (2008)

Glomus intraradices Lotus glaber Sannazzaro et al.

(2006)
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Mg2+, and K+, and the major anions are Cl�, SO4
2�, HCO3

�, CO3
2�, and NO3

�

(Manchanda and Garg 2008). Other constituents contributing to salinity in hyper-

saline soils and waters include B, Sr2
+, SiO2, Mo, Ba2+, and Al3+ (Hu and

Schmidhalter 2002). Water-soluble salts accumulate in the soil solum the upper

part of the soil profile (including the A and B horizons) or regolith (the layer or

mantle of fragmental and unconsolidated rock material, whether residual or

transported) to a level that impacts on agricultural production, environmental health,

and economic welfare (United States Salinity Laboratory Staff 1954; Rengasamy

2006).The composition and concentration of soluble salts in root-zone medium

solution are known to influence plant growth, both by creating osmotic imbalance

and via specific physiological toxicity of ions. Osmotic stress lowers the potential

energy of the solution and causes reduced growth due to the additional energy

required by plants to take up water (Ben-Gal et al. 2009).

Salinity dominated by Na+ and Cl� not only reduces Ca2+ and K+ availability but

also reduces Ca2+ and K+ mobility and transport to the growing parts of plants,

affecting the quality of both vegetative and reproductive organs (Kohler et al.

2009). The decline of K concentration under salinity conditions has been reported

Table 15.2 Mechanism which through by salinity stress affect plant growth parameters

Mechanism References

Growth processes

<yield quality Martı́nez et al. (1996) and Pardossi et al. (1999)

<root elongation

<mature vegetative

Kaya et al. (2009)

<water Munns (2005)

<cell expansion Greenway and Munns (1980) and Nieman (1965)

<leaf expansion Neumann et al. (1988)

<cell expansion

<relative water content Kabir et al. (2004) and Ahmad and Jhon 2005

<germination rate Kaya et al. (2002), Katembe et al. (1998), Pujol et al.

(2000), and Okçu et al. (2005)

<harvest index Sibole et al. (2000)

Nutrients processes

>concentration of ions

in tissue

Demir and Kocakalikan (2002) and Francois et al. (1990)

>Na+/Ca2+, >Na+/K+ Sivritepe et al. (2003)

<Ca2+, <K+ Kohler et al. (2009)

<leaf water content,

<root biomass

Kohler et al. (2009)

<P uptake, <P

translocation

Martı́nez and Lauchli (1991) and Munns (1993)

>root proline

accumulation

Sudhakar et al. (1993) and Cusido et al. (1987)

<chlorophyll

concentration

Yeo et al. (1990), Belkhodja et al. (1994), and Kaya et al.

(2001)

<photosynthesis Downton (1977), Ball and Farquhar (1984), Behboudian

et al. (1986), and Shi and Guo (2006)
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by Greenway and Munns (1980) and Devitt et al. (1981). Moreover, many studies

have shown that high concentrations of NaCl in the soil solution may increase the

ratios of Na+/Ca2+ and Na+/K+ ratios in plants, which would then be more suscepti-

ble to osmotic and specific ion injury as well as to nutritional disorders that result in

reduced yield and quality (Sivritepe et al. 2003). Saline stress induces P deficiency

by reducing P uptake or translocation (Martı́nez and Lauchli 1991). Saline stress

decreased nitrogen concentration in pepper plants (Kaya et al. 2009).

Salt stress has been shown to affect carbohydrate partitioning and metabolism,

leading to the synthesis of new compounds (Sharma et al. 1990). In plants exposed

to salinity, the total nonstructural carbohydrates content in the leaves was reduced

significantly compared with plants not exposed to salinity (Kohler et al. 2009). The

decrease in total soluble carbohydrates due to salinity could be related also to

limited carbohydrate availability, as a consequence of a decline in photosynthesis

(Goicoechea et al. 2005).

Increasing salinity stress significantly increased the antioxidant enzyme activities

of lettuce leaves, including those of peroxidases and catalase, compared to their

respective non-stressed controls (Kohler et al. 2009). Salt stress may induce a

combination of negative effects on salt-sensitive plants including osmotic stress,

ion toxicity, and oxidative stress(Kohler et al. 2009). High salinity may induce

imbalances in the soil, plant osmotic relationships (Wyn Jones and Gorham 1983),

and in plant metabolism (Singh and Jain 1982).

Increasing salinity stress significantly decreased germination percentage (Barassi

et al. 2006) High (60 mM) NaCl in nutrient solution strongly affected root

elongation and mature vegetative growth of both spinach and lettuce, but especially

in vegetables (Kaya et al. 2002; Barassi et al. 2006). Shoot growth is affected

more than root growth in lettuce exposed to low salinities (Shannon 1997; Barassi

et al. 2006).

The reduction in photosynthesis in the saline-treated plants was reported by

many researchers (Downton 1977; Ball and Farquhar 1984; Behboudian et al.

1986).The adverse effects of high NaCl on chlorophyll concentration have previ-

ously been shown in rice (Yeo et al. 1990), barley (Belkhodja et al. 1994), tomato

(Kaya et al. 2001), and pepper (Kaya et al. 2009). Kaya et al. (2009) reported that

salt stressed caused a significant increase in electrolyte leakage compared to that in

the non-stressed pepper plants. Similar results were obtained by Lutts et al. (1996)

for NaCl-sensitive rice varieties wherein high salt concentration increased mem-

brane permeability.

15.3 Mechanism on Which Plant Ameliorates the Deleterious

Effects of Salinity

Many effective protection systems exist in plants that enable them to perceive,

respond to, and properly adapt to various stress signals (Chen et al. 2009), and a

variety of genes and gene products have been identified that involve responses to

drought and high salinity stress (Chen et al. 2009).
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An increase in concentration of K+ in plants under salt stress could ameliorate

the deleterious effects of salinity on growth and yield (Giri et al. 2007). Potassium

plays a key role in plant water stress tolerance and has been found to be the cationic

solute responsible for stomatal movements in response to changes in bulk leaf water

status (Caravaca et al. 2004). Tattini (1994) reported that the resistance mechanism

of salt-tolerant olive cultivars is probably related to the ability to maintain an

appropriate K/Na ratio in actively growing tissue. Salt stresses increase acid

phosphatase activity (Stephen et al. 1994; Ehsanpour and Amini (2003). The

induction of antioxidant enzyme such as catalase and peroxidase can be considered

as one mechanism of salt tolerance in plants (Hernández et al. 2003). Antioxidant

enzymes are involved in eliminating H2O2 from salt-stressed roots (Kim et al.

2005). Salt stress induces proline accumulation in legumes (Ashraf 1989; Sharma

et al. 1990; Rabie and Almadini 2005) which is thought to be involved in osmotic

adjustment of stressed tissues (Delauney and Verma 1993; Ashraf and Foolad

2007). Root proline accumulation under salinity is reported in other plant species

(Sudhakar et al. 1993; Cusido et al. 1987; Sharifi et al. 2007). Proline acts as a major

reservoir of energy and nitrogen for utilization during salinity stress (Goas et al.

1982). Changes in the composition of carbohydrates of the host plant may play a

role in increasing salt tolerance (Rosendahl and Rosendahl 1991). Salinity reduced

soluble carbohydrates (Sharma et al. 1990).

15.4 Mechanism on Which AM Fungi Affect Salinity Stress

Salt resistance was improved by AM colonization in various plants (Table 15.3).

While many studies have demonstrated that inoculation with AM fungi improves

growth of plants under salt stress (Cho et al. 2006), relatively few mechanisms have

been demonstrated that explain the increased resistance to salt stress of plants

treated with AM fungi. The improved growth of AM plants has been attributed to

enhanced nutrient uptake, particularly of N and P and subsequent increased growth

(Jeffries et al. 2003). However, in some cases, plant salt tolerance was not related to

P concentration (Ruı́z-Lozano and Azcón 2000). Thus, it has been proposed that

salt-tolerance mechanisms, such as enhanced osmotic adjustment and leaf hydra-

tion, increased intrinsic water use efficiency, reduced oxidative damage, or

improved nutritional status, can explain the contribution of AM symbioses to the

salinity resistance of host plants (Augé 2001).

Salt in soil water inhibits plants’ ability to take up water, and this leads to slower

growth. This is the osmotic or water-deficit effect of salinity (Munns 2005).

Jimenez et al. (2003) reported that salinity decreased the leaf water and osmotic

and turgor potentials in four wild and two cultivated Phaseolus species. Rosendahl
and Rosendahl (1991) reported greater water uptake by AM plants under saline

conditions. Kumar et al. (2009) also reported that relative water content in the

leaves of Jatropha was significantly higher in AM-inoculated than in non-

inoculated Jatropha plants under saline conditions. The beneficial effects of AM
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on growth may be related to mycorrhiza-mediated effects on water absorption,

nutrient uptake, and increased photosynthetic activity under salinity stress (Mukerji

and Chamol 2003; Al-Karaki 2006; Miransari et al. 2008). AM mediated

modifications in root morphology and biomass which may be important for water

balance in the host plant under salinity stress (Giri et al. 2003).

Table 15.3 Mechanism which through by AM fungi affect salinity stress

Mechanism References

Nutrients processes

>P Poss et al. (1985), Duke et al. (1986),

Copeman et al. (1996), Augé (2001),

Al-Karaki et al. (2001), Jeffries et al.

(2003), Tian et al. (2004), Sharifi et al.

(2007), Giri et al. (2007), Kohler et al.

(2009), and Porras-Soriano et al.

(2009)

<Na Giri and Mukerji (2004), Ashraf et al.

(2004), Ghazi and Al-Karaki (2006),

Sharifi et al. (2007), Kohler et al.

(2009), Kaya et al. (2009), and

Porras-Soriano et al. (2009)

>Zn Sharifi et al. (2007)

>K/Na Kohler et al. (2009), Naidoo and Naidoo

(2001), Thomas et al. (2003), Rabie

and Almadini (2005), Giri et al.

(2007), Porras-Soriano et al. (2009),

and Sannazzaro et al. (2006)

>K Chow et al. (1990), Graifenberg et al.

(1995), Pérez-Alfocea et al. (1996),

Botella et al. (1997), Giri et al. (2007),

and Porras-Soriano et al. 2009

>N Kaya et al. (2009) and

Porras-Soriano et al. (2009)

Physiological processes

>carbon dioxide exchange rate,

>transpiration, >stomatal

conductance, >water use efficiency

Ruı́z-Lozano et al. (1996)

>soluble sugar Feng et al. (2002)

>electrolyte concentrations in maize

roots

Feng et al. (2002)

>root proline accumulation Sharifi et al. (2007)

<shoot proline accumulation Kaya et al. (2009) and Sharifi et al. (2007)

>chlorophyll content Goss and de Varennes (2002), Giri and

Mukerji (2004), Rabie (2005), and

Kaya et al. (2009)

<electrolyte leakage Kaya et al. (2009)

<membrane permeability Zhongoun et al. (2007)

>water content Colla et al. (2008)
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Reduction in both K and K/Na at high salinity is another opposing effect of

salinity, which impairs the function of K in the salinized plants (Tabatabaei 2006).

Na can easily enter plant cells via nonselective K+ channels (Demidchik et al.

2002), but generally, K is the preferred ion in the cytoplasm, providing a reactive

surrounding for enzymes, being an osmotic equivalent under conditions of water

stress and high salinity (Hammer et al. 2010). A reduction in K concentration and

K/Na ratio in saline conditions was reported by Rush and Epstein (1978); Devitt

et al. (1981) and Jackson and Volk (1997). Reduced the Na+ uptake of plants

and/or increased the K+ uptake, compared with the control plants under salt stress,

thus increasing the K+/Na+ ratio (Kohler et al. 2009). In higher plants, K+ affects

photosynthesis at various levels (Porras-Soriano et al. 2009). The role of K+ in CO2

fixation has been demonstrated, and an increase in the leaf potassium content

is accompanied by increased rates of photosynthesis, photorespiration, RuBP

carboxylase activity, and a concomitant decrease in dark respiration (Porras-

Soriano et al. 2009). Loreto et al. (2002) demonstrated the limitation of photosyn-

thesis in salinity conditions in olive cultivars as a rustle of the low chloroplast CO2

concentration, caused by both stomatal and mesophyll conductance reduction. It

has been proposed that K+ nutrition is essential for salt tolerance in Arabidopsis
(Zhu et al. 1998). Therefore, prevention of Na+ accumulation in the plant and

enhancement of K+ concentrations could be part of the general mechanism of salt

stress alleviation of plant by AM fungi. An improvement of K+ uptake by AM fungi

was reported in the early work by Powell (1975). A similar decrease in Na+

accumulation under salt stress conditions has been formerly observed in Sesbania
spp. (Giri et al. 2003; Giri and Mukerji 2004) and in Lotus glaber (Sannazzaro et al.
2006). Although, Rabie and Almadini (2005) observed an enhancement of K uptake

by AM plants under salinity. Poss et al. (1985) and Porras-Soriano et al. (2009)

reported that K uptake was affected little by AM colonization in plants grown under

saline conditions.

Plant growth is affected by interactions of Na+ or Cl� and many mineral

nutrients, causing imbalances in the nutrient availability, uptake, or distribution

within plants and also increasing the plant’s requirement for essential elements

(Greenway and Munns 1980; Grattan and Grieve 1992). Reduced Na concentration

in lettuce plants exposed to salinity, due to AM inoculation, may have helped the

plants prevent accumulation of cellular Na to a toxic concentration (Kohler et al.

2009). There are several reports of lower Na+ concentrations in AM plants, com-

pared to non-AM plants, under salinity (Giri and Mukerji 2004; Ashraf et al. 2004;

Ghazi and Al-Karaki 2006; Sharifi et al. 2007; Kohler et al. 2009; Kaya et al. 2009;

Porras-Soriano et al. 2009).

Interaction between salinity and N affects growth and metabolism of plants in

order to cope with the changes taking place in their environment (Papadopoulos and

Rendig 1983; Shenker et al. 2003). Kaya et al. (2009) reported that mycorrhizal

inoculation increased the concentration of K+ and N in pepper plants. Ruı́z-Lozano

and Azcón (2000) showed that plants colonized by Glomus sp. accumulated N and

P contents in shoots of lettuce more efficiently at the highest salt level than under

the lowest salt level. Porras-Soriano et al. (2009) reported that the most active

fungus in increasing NaCl tolerance in olive plants wasG. mosseae, and it increased
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the N, P, and K Contents by 363 %, 552 %, and 636 %, respectively, over those

values recorded in non-colonized olive. An apparent increase in salt tolerance has

been noted when N levels supplied under saline conditions exceeded those that

were optimum under nonsaline conditions (Papadopoulos and Rendig 1983), imply-

ing that increased fertilization, especially N, may ameliorate the deleterious effects

of salinity (Ravikovitch and Porath 1967). This may be caused by ion accumulation

in the leaves, particularly old leaves (Greenway and Munns 1980). The reduction in

plant growth was due to the reduced leaf growth, which agrees with finding of

Cramer (2002a). At the highest concentration of salinity, however, N concentration

not only had no effects on growth promotion but reduced the plants’ growth.

It implies that other factors (such as osmotic pressure) involve in plant growth

(Tabatabaei 2006). The direct factor might be salinity (such as osmotic effect, Cl, or

Na toxicity) as reported by Bongi and Loreto (1989) and Xu et al. (2000).

Tabatabaei (2006) concluded that further increase of N concentration at the

increased salinity concentration in salt-sensitive cultivars is unlikely to improve

growth and nutrition; however, in salt-tolerant cultivars, N concentration in the root

zone should be increased in order to improve the plant growth. This author added

that at high salinity concentration, both high and low N concentrations in the root

zone have opposing effects on olive trees’ growth. Therefore, use of nutrients at

saline conditions for the both salt-sensitive and salt-tolerant cultivars should be

carefully managed.

P availability is reduced in saline soil not only because of ion competition that

reduces the activity of P but also because P concentrations in soil solution are

tightly controlled by sorption processes and by the low solubility of Al–P or Fe–P

precipitates (Grattan and Grieve 1999). Jakobsen et al. (1992) reported that the

efficiency of P uptake by an AMF was strongly affected by the spatial distribution

of its hyphae in the soil and possibly also by the differences in the capacity for

uptake per unit length of hyphae. Mycorrhizal inoculation improves P nutrition of

plants under salinity stress and reduces the negative effects of Na+ by maintaining

vacuolar membrane integrity, which prevents this ion from interfering in growth

metabolic pathways (Rinaldelli and Mancuso 1996). Previous research has shown

that the main mechanism for enhanced salinity tolerance in mycorrhizal plant was

the improvement of P nutrition (Copeman et al. 1996; Al-Karaki et al. 2001). AM

fungi increased P uptake, and saline stress in plants was thereby alleviated (Tian

et al. 2004). Tian et al. (2004) showed that AM fungi from saline soil promoted the

growth of cotton plants under saline stress by increasing P concentrations without

affecting sodium and chloride concentrations. Bernstein (1975) reported that plant

growth was more sensitive to excess Na than to excess Ca, and the effect of

combined Na and Ca was intermediate. Then, it is possible to ameliorate Cl toxicity

by increasing the NO3 concentration in the soil solution (Xu et al. 2000). Adding Ca

has been observed experimentally to relieve ionic Na toxicity and increase root

elongation (Yermiyahu et al. 1997; Reid and Smith 2000; Cramer 2002b). Reid and

Smith (2000) and Yermiyahu et al. (1997) reported that while Ca does allow

amelioration of the toxicity caused by high intracellular Na, it cannot overcome

the osmotic effects associated with high salinity. Early work by Magistad et al.
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(1943) indicated that salts with different cations (Na, Ca, and Mg) and anions

(Cl, SO4) do not cause differences in plant growth when compared on an equal

osmotic basis. Additionally, work on physiological aspects of Na:Ca relationships

has also recognized the need to consider the osmolarity or osmotic strength of

solutions with mixed ions (Yermiyahu et al. 1997; Kinraide 1999; Cramer 2002b).

The decline in leaf growth is an earliest response of the plants to salinity (Munns

and Termaat 1986). Neumann et al. (1988) reported that salt stress initially inhibits

leaf expansion through reduced turgor. Tsang and Maum (1999) and Cantrell and

Linderman (2001) reported that AM lettuce plants had greener leaves than non-AM

plants at the highest salt level.

It has been proposed that salt-tolerance mechanisms, such as enhanced osmotic

adjustment and leaf hydration, increased intrinsic water use efficiency, reduced

oxidative damage, or improved nutritional status, can explain the contribution of

AM symbioses to the salinity resistance of host plants (Augé 2001). It is reported

that proline protects higher plants against salt/osmotic stresses, not only by

adjusting osmotic pressure but also by stabilizing many functional units such as

complex II electron transport, membranes, and proteins and enzymes such as

ruBisCo (Mäkelä et al. 2000).

For plants to survive under salt stress conditions, adjustment of leaf osmotic

potential is very important, and it requires intracellular osmotic balance. Under salt

stress, plants accumulate some organic solutes (proline, soluble sugars, and so on)

and inorganic ions to maintain higher osmotic adjustment (Yang et al. 2009). Free

amino acids are important osmolytes contributing to osmotic adjustment in plants

(Hajlaoui et al. 2010). With increasing external salt concentration, free amino acids

accumulate in the leaves and roots of maize (Abd-El Baki et al. 2000; Neto et al.

2009; Hajlaoui et al. 2010). Sheng et al. (2011) also observed the increase of free

amino acid levels in maize leaves under salt stress but to a lesser extent in AM corn

plants. Arduous research has been conducted on physiological processes related to

salinity and/or to specific ions, and much knowledge has been acquired (Ben-Gal

et al. 2009). Ruı́z-Lozano et al. (1996) concluded that the mechanisms underlying

AM plant growth improvement in Lactuca sativa under saline conditions were

based on physiological rather than on nutrient uptake (N or P). Among free amino

acids, proline is a contributor to osmotic adjustment in salt-stressed maize plants

(Hajlaoui et al. 2010). It appears that the presence of the AM fungi in the roots may

modify the osmotic potential of the leaves as they have been shown to influence the

composition of carbohydrates (Augé et al. 1987) and the level of proline (Ruı́z-

Lozano and Azcón 1995). Proline accumulation is thought an adaptive feature

under salinity stress in AM (Jindal et al. 1993). Results show that the accumulation

of proline in plant is increased by AM inoculation. Proline accumulation is thought

to be an adaptive feature under salinity stress in AM (Jindal et al. 1993) and non-

AM (Ashraf 1989; Sharma et al. 1990) legumes. The high level of proline enables

the plants to maintain osmotic balance when growing under low water potentials

(Stewart and Lee 1974). Proline acts as a major reservoir of energy and nitrogen for

utilization by plants subjected to salinity stress (Goas et al. 1982; Ashraf and Foolad

2007). Reports on the effect of AM symbiosis on proline accumulation are
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somewhat contradictory. Some studies have shown an increase in proline accumu-

lation in mycorrhizal plants subjected to salt stress (Ben Khaled et al. 2003; Sharifi

et al. 2007). Enhanced proline accumulation in plant cells can increase plant

osmotic potentials (Hajlaoui et al. 2010) and abscisic acid level (Ober and Sharp

1994), thereby improving the tolerance of mycorrhizal plants to salinity. On the

contrary, some studies have shown a reduction of proline levels in AM plants under

salt stress (Duke et al. 1986; Ruı́z-Lozano et al. 1996; Jahromi et al. 2008; Sheng

et al. 2011), and Kaya et al. 2009 showed that proline was significantly lower in

mycorrhizal than in non-mycorrhizal pepper plants under salinity. In plants exposed

to salinity, the total nonstructural carbohydrates content in the leaves was reduced

significantly compared with plants not exposed to salinity (Kohler et al. 2009).

Salinity reduced soluble carbohydrates (Sharma et al. 1990). Sheng et al. (2011)

reported that sugar (soluble sugars and reducing sugars) accumulation in maize

leaves decreased when salinity increased, but at the same NaCl level, the AM

symbiosis favored sugar accumulation. Similar results were observed in the shoots

of V. radiata (Rabie 2005) and in roots and shoots of maize (Feng et al. 2002). The

accumulation of sugars induced by the AM symbiosis is a positive response to salt

stress since sugars can prevent structural changes in soluble protein, maintain the

osmotic equilibrium in plant cells, and protect membrane integrity (Abd-El Baki

et al. 2000). The high levels of sugars in mycorrhizal plants may be the result of an

increase in photosynthetic capacity (Sheng et al. 2008; Wu et al. 2009). Thomson

et al. (1990) found a positive relationship between carbohydrate concentration in

the roots and percentage of root colonization. The change in the composition of

carbohydrates of AM plants may play a role in the salt tolerance of plants

(Rosendahl and Rosendahl 1991). Feng et al. (2002) related the mycorrhizal

tolerance to salt stress to higher accumulation of soluble sugars in plant roots.

However, Sharifi et al. (2007) showed that root soluble carbohydrates did not play a

role in responses of AM and non-AM soybeans to salinity.

The induction of antioxidant enzyme such as catalase and peroxidase can be

considered as one mechanism of salt tolerance in plants (Hernández et al. 2003).

Kohler et al. (2009) reported that the peroxidases and catalase activities of non-

mycorrhizal plants did not experience changes under moderate salinity, whereas the

mycorrhizal plants showed a suppression of such antioxidant enzymes possibly due

to lower levels of accumulated proline. These authors concluded that this decrease

in antioxidant enzymes in mycorrhizal plants could be explained partially by the

fact that these plants may have been submitted to a lower oxidative stress under

moderately saline conditions. It is worth noting that this behavior was also observed

in the peroxidase activity of fertilized plants, which probably support less stress.

Acid phosphatase is known to act under stress by maintaining a certain level of

inorganic phosphate in plant cells (Olmos and Hellin 1997).However, Kohler et al.

(2009) show that acid phosphatase did not play a role in responses of inoculated and

non-inoculated lettuce to severe salinity. Nitrate reductase (NR) was slightly

inhibited by salinity in tomato roots, while leaf NR decreased sharply (Cramer

and Lips 1995). In the leaves of tomatoes and cucumbers, NR activity increased

with exogenous NO3 concentration (Maritinez and Cerda 1989), as NR is a
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substrate-inducible enzyme (Marschner 1995), and its decreased activity under

salinization has been attributed by some researchers to decreased NO3 uptake by

plants under salt stress (Lacuesta et al. 1990; Abdelbaki et al. 2000; Tabatabaei

2006). The decreased of NO3 is accompanied by a high Cl� uptake (Parida et al.

2004) and low rate of xylem exudation in high osmotic conditions either by NaCl or

other nutrients (Tabatabaei et al. 2004). Either the reduced NO3 uptake or translo-

cation leads to lower NO3 concentration in the leaves, consequently reducing NR

activity of leaves under salinity conditions (Tabatabaei 2006). This finding agrees

with Cramer and Lips (1995), who indicated that salinity may control NR activity

through NO3 uptake since NR activity is largely determined by NO3 flux into the

metabolic pool rather than by tissue NO3 content itself.

Under saline condition, mycorrhizal colonization increased chlorophyll content

in mung bean (Rabie 2005), pepper (Kaya et al. 2009), and in woody species,

Sesbania aegyptiaca and Sesbania grandiflora (Giri and Mukerji 2004).The AM

plants had greener leaves than non-AM plants under saline conditions (Kumar et al.

2009).

Salt stressed caused a significant increase in electrolyte leakage in pepper (Kaya

et al. 2009), rice (Lutts et al. 1996), and lentil (Bandeoglu et al. 2004). Mycorrhizal

inoculation significantly reduced the electrolyte leakage in the salt-stressed

plants of pepper (Kaya et al. 2009). It was shown that salt-stressed tomato

plants inoculated with mycorrhizae had lower membrane permeability than non-

inoculated plants (Zhongoun et al. 2007).

High salinity levels can damage soil structure. In semiarid environments, soil

aggregate stability is one of the most important properties controlling the growth of

plants which, in turn, protects the soil against water erosion (Kohler et al. 2010).

High salinity levels can damage soil structure. The action of Na+ ions, when they

occupy the cation exchange complex of clay particles, makes the soil more com-

pact, thereby hampering soil aeration (Manchanda and Garg 2008). As a result,

plants in saline soils not only suffer from high Na levels but are also affected by

some degree of hypoxia. In semiarid and arid areas of the world, the scarcity,

variability, and unreliability of rainfall and high potential evapotranspiration affect

the water and soil balance of the soil. Low atmospheric humidity, high temperature,

and wind velocity promote the upward movement of the soil solution and the

precipitation and concentration of the salts in the surface horizons (Manchanda

and Garg 2008). In arid regions, mainly chloride and sulfate types of Na, Mg, and

Ca salts are concentrated (FAO 2005). The improvement of soil structural stability

is of great importance in rendering these degraded, saline soils suitable for agricul-

ture (Kohler et al. 2010). The action of Na+ ions, when they occupy the cation

exchange complex of clay particles, makes the soil more compact, thereby hamper-

ing soil aeration (Manchanda and Garg 2008). Recent discoveries suggest

that glomalin, a glycoprotein (Wright et al. 1998) produced in copious amounts

by AM fungal hyphae and related to soil aggregate stability (Rillig 2004), can

influence soil carbon storage indirectly by stabilizing soil aggregates (Zhu

and Miller 2003) and soil stability. Soil aggregate stability is one of the most

important properties controlling plant growth in arid and semiarid environments
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by controlling soil–plant water status. AM produces glomalin, a glycoprotein which

binds soil particles and hence improves the soil structure and stability (Rillig and

Mummey 2006). In particular, the symbiosis between AM fungi and plants has been

shown to contribute to the stability of soil aggregates, including soils of high

salinity such as salt marshes (Caravaca et al. 2005). AM fungi primarily influence

the stability of macroaggregates (>250 mm), which they are hypothesized to help

stabilize via hyphal enmeshment aggregates (Miller and Jastrow 2000) and by

deposition of organic substances (Bearden and Petersen 2000). A key factor in

the contribution of AM fungi to soil aggregation is the production of the glycopro-

tein glomalin, which acts as an insoluble glue to stabilize aggregates (Gadkar and

Rillig 2006). Operationally defined by the extraction and detection conditions

(Wright and Upadhyaya 1996), it is detected in large amounts in diverse soils as

glomalin-related soil protein (Rillig 2004), although the role of glomalin-related

soil protein in the stabilization of saline soils has not been confirmed. Sodium is a

highly dispersive agent, causing the direct breakup of aggregates and indirectly

affecting aggregation through decreased plant productivity (Bronick and Lal 2005).

Previous studies have described a negative relationship between soil aggregation

and the percentage of Na saturation in the exchange complex (Lax et al. 1994).

Kohler et al. (2010) reported that aggregate stability of soils inoculated with

G. mosseae significantly decreased with increasing saline stress. Kohler et al.

(2010) concluded that G. mosseae treatments increased the concentration of soil

Na compared with the non-inoculated control soil under severe salinity. This

suggests that the decrease in structural stability of the inoculated soils could be

related to the increased concentration of soil Na (Kohler et al. 2010). Giri et al.

(2007) reported that an AM fungus in Acacia nilotica accumulated salt and thus

prevented transport of Na to shoot tissues. Cantrell and Linderman (2001)

suggested that Na might be retained in intraradical AM fungal hyphae. Kohler

et al. (2010) reported that the excess Na resulting from the increasing levels of

salinity was retained in the soil of the plants inoculated with the AM fungus.

15.5 Would AM Fungi Isolate from Saline Soil Have a Higher

Capacity to Ameliorate NaCl Effects?

As mycorrhizal fungi can adapt to edaphic conditions (Brundrett 1991), they

therefore promote plant growth under saline stress, and differences in fungal

behavior and efficiency may be due to the origin of the AMF (Copeman et al. 1996).

Salinity may reduce mycorrhizal colonization by inhibiting the germination of

spores (Hirrel 1981), inhibiting growth of hyphae in soil and hyphal spreading after

initial infection had occurred (McMillen et al. 1998), and reducing the number of

arbuscules (Pfeiffer and Bloss 1988). It has been widely accepted that mycorrhizal

fungi are able to adapt to edaphic conditions (Tian et al. 2004). It might be expected

that an isolate from saline soil would have a higher capacity to promote plant
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growth under saline stress. Differences among AMFs with respect to the plant

protection offered against salinity have been reported by Cantrell and Linderman

(2001), Al-Karaki (2006), and Porras-Soriano et al. (2009). Ruı́z-Lozano and

Azcón (2000) reported AM fungal which isolate from saline soils protected lettuce

plants by stimulating root development, while the effects of an isolate of Glomus
deserticola from nonsaline soil were based on improving plant nutrition. Copeman

et al. (1996) found that fungi from nonsaline soil acted as shoot growth promoters

but tended to increase leaf sequestration of Cl�. Conversely, AMF from saline soil

suppressed plant growth but decreased leaf sequestration of Cl�. They considered

that this mechanism could be advantageous for long-term plant survival under salt

stress. However, Tian et al. (2004) reported that the Glomus mosseae isolates

collected from nonsaline soil (GM1) and from saline soil (GM2) did not differed

in their capacity to alleviate salinity stress due to their capability to take up sodium

and chloride under higher salt level. These authors suggest that GM2 had a different

mechanism for improving the salinity tolerance of cotton plants at higher saline

levels. Copeman et al. (1996) found that an AM fungal which isolated from

nonsaline soil promoted shoot growth but tended to increase leaf sequestration of

Cl. A similar result was also observed by Tian et al. (2004). Cantrell and Linderman

(2001) reported that AM fungi from the saline soil were not more effective in

reducing growth inhibition of lettuce (Lactuca sativa L.) and onion (Allium cepa L.)
by salt than those from the nonsaline site. Copeman et al. (1996) showed that

tomato shoot growth was enhanced by inoculation with AM fungi from a nonsaline

soil and was inhibited by inoculation with AM fungi from a saline soil.

15.6 Conclusions

One of the most widespread agricultural problems in arid and semiarid regions is

soil salinity, which adversely affect plant growth (Sharifi et al. 2007; Cerda and

Martinez 1988). Salt-affected lands occur in practically all climatic regions, from

the humid tropics to the polar regions (Manchanda and Garg 2008). Saline soils can

be found at different altitudes, from below sea level (e.g., around the Dead Sea) to

mountains rising above 5,000 m, such as the Tibetan Plateau or the Rocky

Mountains (Manchanda and Garg 2008). Of nearly 160 million hectare of cultivated

land under irrigation worldwide, about one-third is already affected by salt, which

makes salinity a major constraint to food production (Manchanda and Garg 2008).

It is the single largest soil toxicity problem in tropical Asia (Greenland 1984). The

salinity of soils is a considerable problem in many parts of the world. This is

particularly the case in regions with high rates of evaporation, where salts are easily

accumulated in the topsoil (Hammer et al. 2010). Increased irrigation is needed to

combat the spread of deserts and to meet the greater demand for food of a growing

world population, but at the same time, inappropriate irrigation management leads

to the accumulation of salt in poorly drained soils (Hammer et al. 2010). Important

morphological barriers for ion selection in plants are the root hair membrane,
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the Casparian, strip and, before transfer to the shoot, the xylem membrane (Kramer

1983; Tester and Davenport 2003). In arid regions, mainly chloride and sulfate

types of Na, Mg, and Ca salts are concentrated (FAO 2005). Few crop species are

adapted to saline conditions (Hu and Schmidhalter 2002). AMF widely exist in salt-

affected soils (Juniper and Abbott 1993). AM fungi have various mechanisms

which mitigate NaCl effects and hence increase plant resistance to salt stress

(Fig. 15.1). To promote plant growth under saline stress, AM fungi isolated from

saline soil would have a higher capacity to promote plant growth under saline stress.
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Chapter 16

White-Rot Fungi in Bioremediation

Safiye Elif Korcan, İbrahim Hakkı Ciğerci, and Muhsin Konuk

16.1 Introduction to Bioremediation

Bioremediation aims to solve an environmental problem like contaminated soil or

groundwater by generally using biological organisms and also sometimes pure

enzyme preparations. Bioremediation technologies can be used for contaminated

wastewater, ground or surface waters, soils, sediments, and air where release of

pollutants or chemicals that pose a risk to human, animal, or ecosystem health has

been either accidental or intentional. The aim of bioremediation is to reduce

pollutant levels to undetectable, nontoxic, or acceptable levels. In other words,

organopollutants are completely mineralized to CO2, or in the case of metals, the

pollutants are removed by sorption or transformation to a less toxic form.

As Alexander (1994) points out, the major requirements for successful bioreme-

diation are that microorganisms must have catabolic activity and they must not

generate toxic products during the remediation. Conditions at the site or in a

bioreactor must be made conducive to microbial growth or activity. For example,

an adequate supply of inorganic nutrients, sufficient O2, or some other electron

acceptor; favorable moisture content; suitable temperature; and a source of C and

energy for growth are needed if the pollutant is to be cometabolized. The target

compound must be available to the microorganisms. The site must not contain

concentrations or combinations of chemicals that are markedly inhibitory to the

biodegrading species, or means must exist to dilute otherwise render innocuous the

inhibitors. Such organisms must be able to transform the compound at reasonable
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rates and bring the concentration to levels that meet regulatory standards. Finally,

the cost of the technology must be cheaper than that of other technologies that can

also destroy the chemicals (Pointing 2001).

Bioremediation technology can generally be classified as in situ and bioreactors.

Bioremediation of organopollutants in situ generally applies to contaminated soils

with two approaches: biorestoration and bioaugmentation. In biorestoration, the

physicochemical nature of the soil is changed so that indigenous microorganisms

are encouraged to degrade the pollutant. On the other hand, in bioaugmentation, a

known pollutant-degrading microorganism is introduced to the contaminated soil

(Pointing 2001). Bioreactors are widely used for the treatment of waste before

being discharged and in bioremediation, with aerobic and anaerobic treatments

for the processing of solid, liquid, and slurry wastes established. Most of these

utilize indigenous microorganisms (Boopathy 2000; Pointing 2001), although some

of the organopollutants treated are also known as substrates for white-rot fungi

(Pointing 2001).

Though many different bioremediation processes exist, there are common

factors which are vital in all bioremediation processes. All bioremediation systems

consist of two major things: inputs and output. The inputs include organic

contaminants and operational conditions, which are composed of all the environ-

mental conditions and other factors such as toxicity, bioavailability, and degrada-

tion rate of contaminants, and also the delivery system for amendments (Fig. 16.1).

16.2 The Parameters of Bioremediation Processes

Environmental conditions are different conditions that can affect microbial activity

such as oxygen, pH, redox potential, presence of nutrients, environment tempera-

ture, and moisture content in the remediation environment. The presence of all

•Nutrients
•Electron acceptors 
(02, N03; C02)
•PH Range

•Toxicity control
•Delivery system for amendments
•Bioavailability
•Degradation rate of contaminants

•Temperature

Organic contaminants Outputs
(Liquids,Gases,Biomass)

Operatial conditions

Bioremediation system

Fig. 16.1 Bioremedial Systems (Adapted from Anderson 1995)
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these factors at optimum level leads to a successful bioremediation process

(Meysami 2001).

16.2.1 Requirement of Oxygen and Inorganic Nutrients

Lignin-degrading fungi are aerobic microorganisms, which need certain level of

oxygen to survive, grow, or metabolize (Azadpour et al. 1997). For instance, white-

rot fungi and bacteria that degrade petroleum hydrocarbons require free or dissolved

oxygen (Odu 1981). In addition, oil degradation requires mineral elements such as C,

Ca, Mg, K, S, Fe, N, and P and various trace elements (Odu 1978). Inorganic nutrients

mainly nitrogen and phosphorus as well as carbon, which is the main nutrient, are

essential for all biological processes. While nitrogen can be provided in a variety of

forms such as nitrate, ammonium salts, and organic compounds like urea, phosphorus

can also be provided in several inorganic forms. Treatability studies are usually

conducted to determine nutrient requirements, and results are specific to the particular

sites and processes (Meysami 2001).

16.2.2 pH

As most natural environments possess pH values in the range between 5 and 9, it is

not surprising that most microorganisms have evolved with pH tolerance within this

range. For bioremediation processes, the optimum pH is site and process specific

and must be determined during feasibility studies. Most microorganisms tolerate

pH 5 up to 9 but prefer pH 6.5–7.5 (Meysami 2001). The optimum pH for

biodegradation of hydrocarbons is around pH 6–8 (Mentzer and Ebere 1996).

Biodegradation of crude petroleum in an acid soil (pH 4.5) could be doubled by

liming to pH 7.4. The optimum pH for white-rot fungi is acidic and can vary from

pH of 4 to 7.0 (Baker Lee et al. 1995).

16.2.3 Temperature

Temperature plays the primary role in lignin degradation by white-rot fungi. The

optimum temperature range for these fungi is from 20 �C to 40 �C (Azadpour et al.

1997). In bioremediation reactions, due to the bioremedial agent’s nature of being a

complex community of microorganisms, a few-degree shift in temperature may

result in dramatic changes in the composition and function of the community. The

specific population, which has the ability to degrade the contaminant, may function

just over a narrow range of temperatures or may be replaced by populations with

different degradation kinetics or mechanisms (Meysami 2001). Generally,
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hydrocarbon biodegradation increases with temperature and peaks around 30–40 �C
(Mentzer and Ebere 1996). Temperature as a limiting factor does not seem to be a

problem in tropical and temperate zones. Disappearance of hydrocarbon contami-

nant from agricultural land can be correlated with monthly temperature averages

(Dibble and Bartha 1979).

16.2.4 Water Availability

Moisture plays a crucial role in bioremediation processes. The moisture content of

soil affects many other parameters in bioremediation systems such as the bioavail-

ability of contaminants, the effective toxicity level of contaminants, the transfer of

gases, species distribution, and the movement and growth of microorganism

(Meysami 2001). Soil that is hydrated with 50–80 % of the maximum water-

holding capacity has the greatest microbial activity (Mentzer and Ebere 1996).

Below that level, osmotic and matrix forces limit the availability of water to

microbes, and above that level, the reduction of air space and oxygen decreases

microbial activity.

16.2.5 Adsorption Effects

Organic matters are less susceptible to microbial attack. Indeed, the rate-limiting

process in biodegradation may be the desorption of contaminants (Mentzer and

Ebere 1996).

16.2.6 Electron Acceptors

Carbon dioxide, sulfate, nitrate, and oxygen are among the common electron

acceptors. In some cases, when they are used as substrates for reductive

dehalogenation, the halogenated organic contaminants can serve as electron

acceptors. Much of the energy for the growth of microorganisms is obtained during

the transfer of electrons from organic substrates to inorganic electron acceptors.

Therefore, appropriate electron acceptors are certainly needed for biodegradation,

and the provision of these electron acceptors often constitutes the greatest challenge

in the design of in situ bioremediation systems. While oxygen or nitrate can be used

by some bacteria as the terminal electron acceptor, the microbial communities are

distinctly different for each type of electron acceptors. Their metabolic processes

and their potentials for biodegradation of pollutants are also very different

(Meysami 2001).
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16.3 White-Rot Fungi

The fungi family is divided into many subunits, each of which is more restrictive

than the next higher level. Within this big family, the white-rot fungi (WRF) are in

the division Eumycota (true fungi), subdivision Basidiomycotina, class

Hymenomycetes, and subclass Holobasidiomycetidae (Hawksworth et al. 1995).

The mushrooms, puffballs, conks, and crust-like fungi are varieties of white-rot

fungi, which is a physiological grouping of fungi that can degrade lignin and lignin-

like substances. The name white rot derives from the appearance of wood attacked

by these fungi, in which lignin removal results in a bleached appearance to the

substrate. White-rot fungi attack the lignin component of wood and leave the

cellulose and hemicellulose less affected. The white-rot fungi that degrade lignin

rather than cellulose are called selective degraders. These degraders are especially

interesting in biotechnological applications since they remove lignin and leave the

valuable cellulose intact. Lignin degradation by these fungi is thought to occur

during secondary metabolism and typically under nitrogen starvation. However, a

wide variety of lignin degradation efficiency and selectivity abilities, enzyme

patterns, and substrates enhancing lignin degradation are reported for these fungi

(reviewed by Hatakka 2001; Hofrichter 2002).

Most researches within the field of bioremediation have focused on bacteria with

fungal bioremediation (mycoremediation), and such researches have attracted

interest just within the past two decades. The toxicity of many pollutants limits

natural attenuation by bacteria, but white-rot fungi can withstand toxic levels of

most organopollutants (Aust et al. 2003). White-rot fungi are known for their

variety and their remarkable ability to degrade complex and persistent natural

materials. They produce a nonspecific, extracellular enzymatic system, which is

capable of degrading lignin, one of the most resistant materials found in nature

(Aust and Barr 1994). Four main genera of white-rot fungi have shown potential for

bioremediation: Phanerochaete, Trametes, Bjerkandera, and Pleurotus (Hestbjerg
et al. 2003). These fungi have been used widely as pollutant degraders. In contrast

to bacteria, fungi are capable of extending the location of their biomass through

hyphal growth. These features distinguish fungi as organisms having great potential

for use in bioremediation of soils contaminated with some of persistent organic

pollutants (Aust and Barr 1994). The potential targets for white-rot fungi include

sorbed contaminants, high molecular weight contaminants, and complex mixtures

of chemicals typical of a contaminated site (Azadpour et al. 1997).

However, white-rot fungi have advantages over bacteria in the diversity of

compounds, and they are able to oxidize, notably the larger polycyclic aromatic

hydrocarbons (PAHs). The extracellular nature of white-rot fungal laccase-

mediator systems (LMEs) and low-molecular-mass mediators may also enhance

bioavailability of pollutants to white-rot fungi in situations where bacteria, with

their cell-associated pollutant catabolism, may not have access. The most signifi-

cant difference between white-rot fungal and bacterial pollutant catabolism relates

to their biochemistry. White-rot fungi are obligate aerobes, whereas bacteria can
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transform and mineralize certain pollutants under aerobic, microaerophilic, and

anaerobic conditions. Bacteria generally utilize organopollutants as a nutritional C

or N source, whereas substrate oxidation by LMEs of white-rot fungi does not yield

any net energy gain. An additional C and N source is therefore required for primary

metabolism by white-rot fungi (Pointing 2001).

16.4 Ligninolytic Enzymes

The white-rot basidiomycetes are the most efficient degraders of lignin and also the

most widely studied. The enzymes implicated in lignin degradation are lignin

peroxidase, which catalyzes the oxidation of both phenolic and nonphenolic units;

manganese-dependent peroxidase and laccase, which oxidize phenolic compounds to

give phenoxy radicals and quinines; glucose oxidase and glyoxal oxidase for H2O2

production; and cellobiose–quinone oxidoreductase for quinone reduction (Kirk and

Farrell 1987; Thakker et al. 1992). The ability of white-rot fungi to degrade a wide

number of organopollutants is in part due to the action of nonspecific system

(Paszczynski and Crawford 1995). Extracellular enzymes involved in the degradation

of lignin and xenobiotics by white-rot fungi include several kinds of laccases

(Leontievsky et al. 1997; Thurston 1994), peroxidases (Camarero et al. 1999), and

oxidases producing H2O2 (Guillén et al. 1992; Volc et al. 1996).

The different degrees of degradation of lignin with respect to other wood

components depend on the environmental conditions and the fungal species

involved (Palmieri et al. 1997). Ligninolytic enzymes, such as manganese peroxi-

dase (MnP), lignin peroxidase, and laccase, are mainly secreted by white-rot fungi

and these degrade lignin from wood in the natural environment. These enzymes are

able to degrade a variety of pollutants, including PAHs, polychlorinated biphenyls

(PCBs), and synthetic dyes due to their low substrate specificity (Levin et al. 2008).

Based on their ligninolytic enzyme patterns, wood-rotting fungi can be divided into

three groups (Hatakka 1994; Lankinen 2004): (1) LiP-, MnP-, and laccase-

producing fungi; (2) MnP- and laccase-producing fungi; and (3) LiP- and laccase-

producing fungi.

The most common group among the white-rot fungi is the MnP- and laccase-

producing group (Hatakka 2001; Lankinen 2004). A total of six LiP and four MnP

isoenzymes have been characterized, some only on lignocelluloses containing media,

from the best studied selective lignin degrader, the white-rot fungus Phanerochaete
chrysosporium (Stewart and Cullen 1999; Lankinen 2004). It has been demonstrated

that there is no unique mechanism to achieve the process of lignin degradation and

that the enzymatic machinery of the various microorganisms differs. Pleurotus
ostreatus, for instance, belongs to a subclass of lignin-degrading microorganisms

that produce laccase, manganese peroxidase, and veratryl alcohol oxidase but no

lignin peroxidase (Palmieri et al. 1997). P. chrysosporium has not been reported to

produce laccase, although other selective degraders of wood produce a combination

of MnP and laccase—Pleurotus ostreatus (Giardina et al. 1996; Lankinen 2004),

Pleurotus eryngii (Martı́nez et al. 1996; Muñoz et al. 1997), andDichomitus squalens

376 S.E. Korcan et al.



(Eriksson et al. 1990; Lankinen 2004); a combination of MnP, LiP, and laccase—

Phlebia radiata (Lundell and Hatakka 1994; Lankinen 2004); or only laccase—

Pycnoporus cinnabarinus (Eggert et al. 1996; Lankinen 2004). Pycnoporus
cinnabarinus has been shown to produce laccase as the only ligninolytic enzyme

(Eggert et al. 1996). P. radiata produces at least three LiPs, three MnPs, and one

laccase (Moilanen et al. 1996; Lankinen 2004), and P. sanguineus produces laccase
as the sole phenol oxidase (Pointing and Vrijmoed 2000).

16.4.1 Laccase

Laccase (EC 1.10.3.2, p-diphenol oxidase) is one of a few enzymes that have been

studied since the nineteenth century. Yoshida first described laccase in 1883 when

he extracted it from the exudates of the Japanese lacquer tree, Rhus vernicifera. In
1896, laccase was demonstrated to be a fungal enzyme for the first time by both

Bertrand and Laborde (Thurston 1994; Levine 1965). Laccases are extracellular

glycoproteins containing four atoms of copper, which are distributed into three sites

(T1, T2, T3) according to their spectroscopic properties. The T1 site contains the

type 1 blue copper (Cu1), which coordinates a cysteine, and is responsible for the

blue color of the enzyme. The T2 site contains a type 2 copper (Cu2). In the T3 site,

Cu3a and Cu3b are strongly coupled (Christian et al. 2003). Not all laccases are

reported to possess four copper atoms (Thurston 1994) per monomeric molecule.

One of the laccases from Pleurotus ostreatus is said to confer no blue color and was
described by the author to be a white laccase (Palmieri et al. 1997). It was

determined by atomic absorption that the laccase consisted of one copper atom,

one zinc atom, and two iron atoms instead of the typical four coppers. Under

different cultivation conditions, fungal laccases often occur as multiple isoenzymes

expressed. Laccases are either mono- or multimeric copper-containing oxidases

that catalyze the one-electron oxidation of a vast amount of phenolic substrates.

Molecular oxygen serves as the terminal electron acceptor and is reduced to two

molecules of water (Ducros et al. 1998). Laccase differs from other peroxidases

because it does not require H2O2 to oxidize substrates; the electrons are transferred

from molecular O2 through water. In the presence of additional cosubstrates or

proper redox mediators such as 2,20-azino-bis(3-ethylbenzothiazoline-6-sulfonate)
(ABTS) or hydroxybenzotriazole (HBT), laccase degrades also less reactive, rela-

tively recalcitrant phenols in an oxidative process involving the mediator and the

substrate (Rodakiewicz-Nowak et al. 2000). The ability of laccases to oxidize

phenolic compounds as well as their ability to reduce molecular oxygen to water

has led to intensive studies of these enzymes (Jolivalt et al. 1999; Xu et al. 1996).

A vast amount of industrial applications for laccases have been proposed, and they

include paper processing, prevention of wine discoloration, detoxification of envi-

ronmental pollutants, oxidation of dye and dye precursors, enzymatic conversion of

chemical intermediates, and production of chemicals from lignin. Before laccases can

be commercially implemented for potential applications, however, an inexpensive

enzyme source needs to be made available (Yaver et al. 2001). Two of the most
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intensively studied areas in the potential industrial application of laccase are the

delignification or biobleaching pulp and the bioremediation of contaminating envi-

ronmental pollutants (Schlosser et al. 1997).

16.4.2 Lignin Peroxidases

Lignin peroxidases (LiPs) were the first ligninolytic enzymes to be discovered

(Glenn et al. 1983; Tien and Kirk 1983). LiP is considered an important ligninolytic

agent, but it may act in concert with other smaller oxidants that can penetrate and

open up the wood cell wall. The LiP-catalyzed oxidation of a lignin substructure

begins with the extraction of one electron from the aromatic ring of the donor

substrate, and the resulting species, an aryl cation radical, then undergoes a variety

of postenzymatic reactions (Kirk and Farrell 1987). LiPs resemble other

peroxidases such as the classical, extensively studied enzyme from horseradish,

in that they contain ferric heme and operate via a typical peroxidase catalytic cycle

(Kirk and Farrell 1987; Gold et al. 1989). That is, LiP is oxidized by H2O2 to a two-

electron deficient intermediate, which returns to its resting state by performing two

one-electron oxidations of donor substrates. However, LiPs are more powerful

oxidants than typical peroxidases and consequently oxidize not only the usual

peroxidase substrates such as phenols and anilines but also a variety of nonphenolic

lignin structures and other aromatic ethers that resemble the basic structural unit of

lignin (Kersten et al. 1990).

Lignin peroxidases, which are heme glycoproteins, were discovered in the

extracellular broth of secondary metabolic cultures of the basidiomycete

Phanerochaete chrysosporium (Tien and Kirk 1983) from which various isoen-

zyme forms have been purified and studied. Lignin peroxidase has also been

isolated from the lignin-degrading basidiomycetes Phlebia radiata (Kantelinen

et al. 1989) and Trametes versicolor (Jönsson et al. 1987). LiPs occur in some

frequently studied white-rot fungi, e.g., Phanerochaete chrysosporium, Trametes
versicolor, and Bjerkandera sp. (Kirk and Farrell 1987 ; Kaal et al. 1993; Orth et al.
1993), but are evidently absent in others, e.g., Dichomitus squalens, Ceriporiopsis
subvermispora, and Pleurotus ostreatus (Perie and Gold 1991; Orth et al. 1993).

LiP is generally regarded as an important enzyme involved in the oxidative

depolymerization of lignin by white-rot fungi. LiP is capable of oxidizing a variety

of xenobiotic compounds, including polycyclic aromatic hydrocarbons,

polychlorinated phenols, nitroaromatics, azo dyes (Paszczynski and Crawford

1991; Hammel 1995; Hammel et al. 1986), and chlorophenols (Hammel and

Tardone 1988). This enzyme can also be oxidized by various polycyclic aromatic

hydrocarbons and related structures, including pyrene, anthracene, benzo[a]pyrene,
dibenzo[p]dioxin, and thianthrene. Certain halogenated aromatics are also

oxidized, including 2-chlorodibenzo[p]dioxin and 2,4,6-trichlorophenol (Hammel

and Tardone 1988).
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16.4.3 Manganese Peroxidase

MnP (EC 1.11.1.13) is a heme glycoprotein with a molecular weight of approxi-

mately 46,000 and occurs as a family of isozymes (Kirk and Farrell 1987). The

catalytic cycle of MnP is similar to that of LiP and horseradish peroxidase (Tien

et al. 1986; Wariishi et al. 1988); MnPs occur in most white-rot fungi and are

similar to conventional peroxidases (e.g., horseradish peroxidase), except that Mn

(II) is the obligatory electron donor for reduction of the one-electron deficient

enzyme to its resting state, and as a result, Mn(III) is produced (Rodakiewicz-

Nowak et al. 2000). This reaction requires the presence of organic acids such as

oxalate, glyoxylate, and lactate that were shown to have an important role in the

mechanism of MnP and lignin degradation (Shimada et al. 1994). Organic acids

such as malate and tartrate stimulate the catalytic activity of MnP by chelating Mn

(III) (Wariishi et al. 1989, 1992). The resulting Mn(III) chelates are small, diffus-

ible oxidants that can act at a distance from the MnP active site. They are not

strongly oxidizing intermediates and are consequently unable to attack the recalci-

trant nonphenolic structures that predominate in lignin. However, Mn (III) chelates

do oxidize the more reactive phenolic structures that make up approximately 10 %

of lignin. These reactions result in a limited degree of ligninolysis and other

degradative reactions (Tuor et al. 1992). MnP isozymes are encoded by several

different genes in P. chrysosporium. Several cDNAs (MnP1, MnP2a, and MnP2b

(Pribnow et al. 1989) and MP-1 (Pease et al. 1989)) and genomic DNAs (MnP1

(Godfrey et al. 1990) and MnP2 (Mayfield et al. 1994)) of MnP isozymes have been

isolated and characterized. Recently, the crystal structure of MnP from

P. chrysosporium has been reported (Sundaramoorthy et al. 1994). The analysis

showed that the overall structure of MnP is closely similar to that of LiP and that

MnP has two structural calcium ions and two N-acetylglucosamine residues. More-

over, a manganese-binding site was identified in the crystal structure.

16.5 Degraded Compounds by White-Rot Fungi

16.5.1 Textile Dyes

Michaels and Lewis (1985) show that synthetic dyes share a common feature in that

they are not readily biodegradable when discharged to the environment. Dye-

containing effluents are hardly decolorized by conventional biological wastewater

treatments. In addition to their visual effect and their adverse impact in terms of

chemical oxygen demand, many synthetic dyes are toxic, mutagenic, and carcino-

genic. Researchers have showed that a lot of WRF are able to decolorize synthetic

(textile) dyes: Bjerkandera sp., Ceriporia metamorphosa, Daedalea flavida,
Daedalea confragosa, Lentinus tigrinus, Mycoacia nothofagi, Phanerochaete
chrysosporium, Phanerochaete sordida, Phellinus pseudopunctatus, Phlebia
brevispora, Phlebia (Merulius) tremellosa, Phlebia fascicularia, Phlebia
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floridensis, Phlebia radiata, Piptoporus betulinus, Pleurotus eryngii, Pleurotus
ostreatus, Pleurotus sajor-caju, Polyporus ciliatus, Polyporus sanguineus,
Pycnoporus sanguineus, Stereum hirsutum, Stereum rugosum, Trametes (Coriolus)
versicolor, Irpex lacteus, Geotrichum candidum, and Dichomitus squalens.
Paszczynski et al. (1992) confirmed the ability of ligninolytic cultures of

P. chrysosporium to mineralize azo dyes but have not found correlation between

aromatic ring substitution pattern and mineralization rates. WRF are most efficient

in breaking down synthetic dyes. Even the lignin-transforming Streptomyces
chromofuscus is a weak decolorizer compared to P. chrysosporium. Mineralization

rates of 23.1–48.1 % for a wide range of azo dyes after 12-day incubation with

P. chrysosporium have been recorded by Spadaro et al. (1992). Cripps et al. (1990)

reported that P. chrysosporium was found to have 11–49 % of total azo and

heterocyclic dye bound to the mycelium. In addition to sorption accounted for

less than 3 % of azo- and triphenylmethane dye removal by ligninolytic cultures of

P. sanguineus (Pointing and Vrijmoed 2000). The involvement of LMEs in the dye

decolorization process has been confirmed in some studies using purified cell-free

enzymes. LiP of P. chrysosporium has been shown to decolorize azo, triphenyl-

methane, and heterocyclic dyes in the presence of veratryl alcohol and H2O2

(Cripps et al. 1990). Two Lac isoenzymes purified from Trametes hispida were

able to catalyze decolorization of several synthetic dyes (Rodriguez et al. 1999).

Heinfling et al. (1998a) reported that MnPs of Bjerkandera adusta and Pleurotus
eryngii have also been shown to catalyze dye decolorization.

16.5.2 Polycyclic Aromatic Hydrocarbon

Polycyclic aromatic hydrocarbons (PAH) are benzene homologues formed from the

fusion of four or more benzene rings. These compounds present huge problems of

toxicity and persistence in the environment. These arise from natural oil deposits

and vegetation decomposition, in addition to considerable anthropogenic produc-

tion from the use of fossil fuels in heating and power production, transportation,

waste incineration, wood burning, and industrial processes (Alloway and Ayres

1993). Gramss et al. (1998) show that WRF are the only organisms capable of

significant PAH mineralization. Many studies have reported the use of WRF in

PAH bioremediation such as P. chrysosporium, Chrysosporium lignorum and C.
versicolor, Phanerochaete sordida, P. ostreatus, Bjerkandera sp., Phanerochaete
laevis, Dichomitus squalens, Irpex lacteus, and Microporus vernicipes. Many

studies have reported the use of Pleurotus species in bioremediation exercises

(Baldrian et al. 2000). Pleurotus tuber-regium has been reported to ameliorate

crude oil-polluted soil and the resulting soil sample supported germination and

seedling of Vigna unguiculata (Isikhuemhen et al. 2003). Adenipekun and Fasidi

(2005) reported the ability of Lentinus subnudus to mineralize soil contaminated

with various concentrations of crude oil. Adedokun and Ataga (2007) also

investigated the effects of sawdust and waste cotton as soil amendment and

bioaugmentation with Pleurotus pulmonarius on soil polluted with crude oil,
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automotive gasoline oil, and spent engine oil on the growth of cowpea. There was a

significant improvement on the growth of cowpea when polluted soil was amended

and bioaugmented with P. pulmonarius after 1 month of incubation as compared

with planting on polluted soil with no amendments and bioaugmentation.

Several taxa, including P. chrysosporium (Bumpus 1989), Pleurotus sp. (Bezalel
et al. 1996), and Trametes versicolor (Morgan et al. 1991), are noteworthy for their

significant PAH-mineralizing capabilities. Despite apparent non-LME-mediated

PAH mineralization by some white-rot fungi grown under non-ligninolytic

conditions such as P. chrysosporium (Dhawale et al. 1992), there is substantial

and conclusive evidence that ligninolytic enzymes are involved in PAH minerali-

zation by white-rot fungi. Several studies have shown that diverse white-rot fungi

are capable of PAH mineralization and that rates of mineralization correlate with

the production of LMEs (Sack et al. 1997); Bogan and Lamar (1996a) show that

PAH transformation by MnP has also been shown to be limited by Mn2+ availabil-

ity. The purified MnP of P. chrysosporium has been shown to oxidize twelve 3–6

rings PAH. Further evidence of lipid-peroxidation-coupled MnP-mediated PAH

oxidation was observed for Phanerochaete laevis, which produced predominantly

polar products, with no significant quinone accumulation (Bogan and Lamar 1996).

By contrast, MnP of N. forwardii oxidized anthracene and pyrene to produce

quinone products (Guenther et al. 1998).

The purified LiP of Nematoloma forwardii has been shown to oxidize anthracene
and pyrene in the presence of the mediator veratryl alcohol (Guenther et al. 1998).

Collins et al. (1996) show that purified Lacc from Trametes versicolor has been
shown to oxidize a range of 3–5 ring PAH (in the presence of the chemical

mediators). In addition, a (cell-associated) cytochrome P450 monooxygenase-

mediated PAH transformation reaction is also thought to occur in certain white-

rot fungi (Fig. 16.2) (Sutherland et al. 1995)

Fig. 16.2 Pathways for the fungal metabolism of polycyclic aromatic hydrocarbons
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16.5.3 Chlorophenols

The various reactions in the degradation of chlorophenols (CP) produce diverse

products and intermediates. The first step is catalyzed by the extracellular enzymes,

followed by the action of other enzymes and the interaction of abiotic factors. Dec

and Bollag (1994) have demonstrated that there are abiotic factors that also provoke

dehalogenation. During the degradation of pentachlorophenol (PCP) and

trichlorophenol (TCP), many more intermediary products are produced from

dichlorophenol (DCP) and monochlorophenol; this is related to a higher resistance

of chlorophenols to biodegradation; the greater the number of substituted chlorine

atoms on the aromatic ring, the higher was the resistance to biodegradation.

PCP and TCP are more resistant to degradation than mono- and dichlorophenols

(Janik and Wolf 1992). Moreover, Rodakiewicz-Nowak et al. (1999) have

demonstrated that chlorophenols with chlorine substitution at meta-positions are

less metabolizable by fungal enzymes than chlorophenols in ortho- and para-
positions. Ortho-substituted congeners are generally of lower toxicity, as the

proximity of the ortho-substituted chlorine to the OH group on the molecule

appears to shield the OH, which apparently interacts with the active site in

organisms, causing the observed toxic effects. This makes 3-CP, 3,5-DCP, and

2,3,4-TCP more toxic than other mono-, di-, and trichlorophenols. Valli and Gold

(1991) demonstrated the mineralization of 2,4-[14C]dichlorophenol; after a 24-day

incubation period, approximately 50 % of the substrate added to the cultures was

degraded to 14CO2. Similar results have been reported for the degradation of 2,4,5-

TCP (Joshi and Gold 1993), 2,4,6-TCP (Reddy et al. 1998), and PCP (Reddy and

Gold 2000). Leontievsky et al. (2000) showed that in the degradation of 2,4,6-TCP

by the fungus Panus tigrinus (producer of the enzymes MnP and laccase)

and Coriolus versicolor (producer of MnP, LiP and laccase), the first attack carried

out by P. tigrinus was with MnP, while with C. versicolor, this was done predomi-

nantly by laccase, suggesting different methods of enzymatic regulation by the

fungi in question. Valli and Gold (1991) reported that Studies on the degradation of

2,4-dichlorophenol by the fungi P. chrysosporium showed that manganese peroxi-

dase degraded 2,4-DCP. Similar results have been reported by Zouari et al. (2002).

16.5.4 TNT

Fungal mineralization of 2,4,6-trinitrotoluene (TNT) has been demonstrated only

for certain white-rot basidiomycetes. Phanerochaete chrysosporium has been

selected in such studies (Hodgson et al. 2000). Transformations of TNT result in

formation of the dinitrotoluenes (DNTs): 2-amino-4,6-dinitrotoluene, 2,4-diamino-

6-nitrotoluene, 2,6-diamino-4-nitrotoluene, and 4-amino-2,6-dinitrotoluene. These

compounds are generally not degraded further or are dimerized to even more

persistent azo and azoxy dimers (Bumpus and Tatarko 1994). Donnelly et al.
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1997 demonstrated that several white-rot fungi are able to transform TNT to DNTs.

Jackson et al. (1999) reported degradation of TNT by non-ligninolytic strains of P.
chrysosporium. Significantly, only white-rot fungi have been shown as capable of

DNT degradation and mineralization to CO2 (Hodgson et al. 2000).

Bending et al. (2002) showed >86 % degradation of atrazine and terbuthylazine

by white-rot fungi in liquid culture and found no relationship between degradation

rates and ligninolytic activity. Other studies with P. chrysosporium in liquid culture

have reported biotransformation of the insecticide lindane independently of the

production of ligninolytic enzymes (Mougin et al. 1996). These researchers ruled

out the involvement of peroxidases in lindane biotransformation and mineraliza-

tion, and they assessed the activity of the cytochrome P450 monooxygenase, an

enzymatic system used by many organisms as a detoxification tool.

16.5.5 Pesticides

The term “pesticides” embraces an enormous diversity of products that are used in a

number of different activities (Mourato et al. 2000), especially agriculture, which

currently accounts for 75 % of the total use of pesticides (Buyuksonmez et al.

1999). The organophosphate insecticides are not generally persistent, and

P. chrysosporium has been demonstrated to mineralize 12.2–27.5 % of 14C-

radiolabeled chlorpyrifos, fonofos, and terbufos during an 18-day incubation

(Bumpus et al. 1993). The chlorinated triazine herbicide 2-chloro-4-ethylamino-

6-isopropylamino-1,3,4-triazine (atrazine) is recalcitrant in the environment,

although the white-rot fungi P. chrysosporium (Mougin et al. 1994) and Pleurotus
pulmonarius (Masaphy et al. 1993) have been demonstrated to transform atrazine,

yielding hydroxylated and N-dealkylated metabolites.

16.5.6 Nylon

Nylon is a linear amide-linked polymer widely used in the textile industry. Deguchi

et al. (1997) demonstrated that significant degradation of a nylon-66 membrane was

observed for P. chrysosporium and Trametes versicolor under ligninolytic culture

conditions. A nylon-degrading enzyme was later purified and characterized from an

unnamed white-rot fungus. The characteristics of the purified protein were identical

to those of MnP, although the method of catalysis was shown to involve peroxida-

se–oxidase reactions (as seen for horseradish peroxidase), rather than the peroxi-

dase-Mn3þ type of reaction more typical of MnPs (Deguchi et al. 1998).
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16.6 Conclusions

There has been extensive research to invent and improve methods for remediating

polluted soils and water (Pozdnyakova et al. 2008; Reddy and Mathew 2001).

Researchers determined that the fungi use lignin as a source of carbon and energy

can degrade a wide range of pollutants. Their extracellular enzymes are oxidative

and nonspecific and can degrade a wide range of pollutants (Pozdnyakova et al.

2008).

One of the greatest advantages of white-rot fungi is that their secreted enzymes

can be purified and used as free or immobilized enzymes (Duran and Esposito

2000). Cornwell et al. (1990) reported an immobilization of LiP on porous ceramic

supports that did not adversely affect LiP’s stability and showed a potential for

degradation of environmentally persistent aromatics. Edwards et al. (2002)

demonstrated that the application of laccase and MnP from T. versicolor
immobilized onto polysulfone ultrafiltration membranes could remove aromatic

hydrocarbons from a petrochemical industrial effluent. Mielgo et al. (2003) studied

the immobilization of MnP from P. chrysosporium and Bjerkandera sp. in glutaral-
dehyde–agarose gels, obtaining a complete immobilization in a very short period

(0.5–2 h). Immobilization maintained a high percentage of MnP activity for

long periods of time. On the other hand, Ahn et al. (2002) demonstrated that

immobilized laccase in soil polluted by 2,4-DCP was more effective than the free

enzyme in 2,4-DCP removal. Dodor et al. (2004), studying T. versicolor laccase
immobilized on kaolinite and its potential to oxidize anthracene and benzo[a]

pyrene, indicated that immobilization improved stability of laccase to temperature,

pH, inhibitors, and storage time compared with the free enzyme. Oxidative

enzymes have been immobilized on several natural and synthetic supports and

often proposed as efficient catalytic tools to overcome several disadvantages linked

to the use of free enzymes (Duran et al. 2002). To improve and enhance the

applicability of isolated enzymes, research efforts have been dedicated to reduce

the costs of enzymes’ isolation and purification, costs that are very high and may

compromise their use for practical applications. Nowadays, great progress in this

area may derive from modern molecular technologies, which may provide cheaper

potential sources of various enzymes by means of genetically modified

microorganisms or plants. For example, several aspects of the enzymology and

molecular biology of the lignin-degrading system of white-rot fungi are known

(Pointing 2001) The LiPs, MnPs, and laccases genes have been cloned and

sequenced, and also their expression and regulation have been studied. These

advancements should lead to the successful genetic engineering of white-rot fungi

and their enzyme systems. Most advantageous bioremediation strategies for

treating contaminated sites can possibly be planned and applied.
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Part V

Techniques in Mycoremediation



Chapter 17

Effect of Mobilising Agents on Mycoremediation

of Soils Contaminated by Hydrophobic

Persistent Pollutants

Alessandro D’Annibale, Ermanno Federici, and Maurizio Petruccioli

17.1 Introduction

In industrialised countries, soil contamination by hydrophobic persistent pollutants

(HPP) is a frequently occurring scenario. Consequently, there is an understandable

concern regarding the ultimate environmental fate and effects of these pollutants.

Among available restoration approaches, the bioremediation encompasses a variety of

techniques aimed at promoting the acceleration of natural biodegradation processes in

contaminated matrices. Biological remediation techniques can be grouped into two

main categories, namely, biostimulation and bioaugmentation. Biostimulation refers

to a variety of in situ technical interventions, including air extraction/injection and/or

addition of nitrogen and phosphorous fertilisers, or to specific matrix adjustments (i.e.

moisture content and pH) assuming that residentmicrobiota encompass species able to

bring about the breakdown of contaminants. On the contrary, bioaugmentation

involves the addition of either exogenous single species or microbial consortia able

to degrade the target contaminants and/or to promote their desorption.

With this regard, one of the major rate-limiting factors in the degradation of HPP

is their low availability to the microbial cells. Microorganisms employ several

strategies to enhance availability of HPP, such as biofilm formation and production

of biopolymers with surfactant properties (Christofi and Ivshina 2002). Another

option, regardless of the use of either biostimulation or bioaugmentation, involves

the addition of exogenous emulsifiers and surface-active agents to enhance HPP
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biodegradation rate by increasing the bioavailability of the pollutant (Pannu et al.

2004; Pizzul et al. 2007).

One promising bioaugmentation approach to sites contaminated by HPP is

represented by the use of species belonging to the ecological group of white-rot

fungi (WRF) (Eggen 1999; Chung et al. 2000; D’Annibale et al. 2005; Ford et al.

2007). Their efficacy in bioremediation is mainly due to the presence of a non-

specific, radical-based degradation machinery involved in lignin breakdown, and

mainly operating in the extracellular environment (Šašek 2003). The extracellular

location of lignin-modifying enzymes (LME) makes degradation ability of WRF

disentangled from the need of contaminant internalisation, a rate-limiting step in

bacterial breakdown of contaminants, and less dependent on solubility of the target

compound. Moreover, the rather relaxed substrate specificities of LMEs of WRF,

which reflect the structural heterogeneity of lignin, enable these organisms to

oxidise a wide array of organic molecules (Novotny et al. 2004), including highly

complex contaminant mixtures, such as Delor and creosote, that contain a variety

of polychlorobiphenyls (PCB) and polycyclic aromatic hydrocarbons (PAH),

respectively (Moeder et al. 2005; Covino et al. 2010a). Unlike bacteria, the frequent

constitutive nature of some LME isoenzymes generally eliminates the need for

these organisms to be adapted to the target chemical. In addition, lignocellulosic

amendments generally used in mycoaugmentation have been shown to exert a

potentially eliciting/inducing effect on LME (Crestini et al. 1996; Ford et al. 2007).

The most characterised ligninolytic enzymes of WRF include lignin peroxidase

(E.C. 1.11.1.14 diarylpropane: hydrogen peroxide oxidoreductase; LiP), manga-

nese peroxidase (E.C. 1.11.1.13 Mn(II): hydrogen peroxide oxidoreductase; MnP)

and the multi-copper oxidase laccase (E.C. 1.10.3.2 para-benzenediol: oxygen

oxidoreductase). Although both LiP and MnP are heme proteins, requiring hydro-

gen peroxide as the reaction oxidant, only the former enzyme is able to react

directly with aromatic substrates, leading to the formation of cation radicals. By

contrast, MnP oxidises Mn2+ to Mn3+ which, in turn, when stabilised by organic

acids, acts as a highly diffusible mono-electronic oxidant. Laccase, instead, is able

to bring about the oxygen-dependent one-electron oxidation of a wide variety of

organic compounds, and its catalytic competence may be extended by the use of

either natural (Böhmer et al. 1998; Johannes and Majcherczyk 2000; Cañas et al.

2007) or synthetic (Majcherczyk et al. 1998) mediators acting as electron shuttles

from the enzymes to the target contaminants. Similarly, lipid peroxidation triggered

by MnP has been identified as an important mechanism involved in the oxidation of

PAH compounds endowed with high ionisation potentials, such as phenanthrene

(8.03 eV) (Moen and Hammel 1994). It is important to realise that the fundamental

steps in lignin degradation by either laccase or the ligninolytic peroxidases (i.e. LiP

and MnP) involve the formation of free radical intermediates, which are formed

when one electron is removed or added to the ground state of a given chemical.

Such free radicals are highly reactive and rapidly able to trigger radical chain

reactions. This free radical mechanism provides the basis for the non-specific nature

of degradation of a variety of structurally diverse pollutants (Barr and Aust 1994;

Acevedo et al. 2010). An alternative fate of HPP subjected to the action of WRF is
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their covalent incorporation into soil organic matter occurring via free radical

copolymerisation of either the parent pollutant or related degradation intermediates

with humic and fulvic acids precursors catalysed by LME. This mechanism leading

to the so-called organic bound residue formation has been demonstrated for a

variety of organic pollutants including PAH (Bogan et al. 1999), chlorophenols

(Rüttimann-Johnson and Lamar 1996), trinitrotoluene (Dawel et al. 1997) and

herbicides (Kim et al. 1997).

The hyphal growth of WRF enables them to readily diffuse into soil to penetrate

within microaggregates, thus reaching pollutants and acting, at the same time, as

effective dispersion vectors of indigenous pollutant-degrading bacteria (Kohlmeier

et al. 2005). WRF, however, are generally unable to use pollutants as energy

sources, and thus they require co-substrates, such as lignocellulosic substrates.

With this regard, inexpensive and widely available lignocellulosic materials, such

as corncobs, straw, peanut shells and sawdust, can be added as nutrients to the

contaminated sites to obtain enhanced degradation of pollutants by these organisms

(Boyle et al. 1998; Covino et al. 2010b).

Both properties of the ligninolytic system and mode of growth of WRF have fed

the belief that the degradation capacity of these organisms is less dependent on

the bioavailability of contaminants. The main objective of this chapter is to provide

the basic concepts related to the action of surfactants on HPP and their use in

mycoremediation processes.

17.2 Sorption Mechanisms and Bioavailability of HPP in Soil

Sorption and degradation are two key processes determining the possible persistence

of a given contaminant in the soil (Haigh 1996). The bioavailability of HPP in soil is

affected by both their inherent chemical properties (e.g. water solubility, acidity,

molecular size and configuration, lipophilicity) and by a variety of soil physico-

chemical parameters (e.g. cation exchange capacity, pH, texture, organic matter and

clay contents) (Volkering et al. 1998). The term bioavailability expresses the fraction

of a given chemical that is available to be taken up and subsequently transformed by

soil microbiota (Juhasz 2008).

The interactions of HPP with soil are complex and include a variety of sorption

mechanisms, including covalent bonding, electrostatic and other weak intermolec-

ular interactions (Semple et al. 2003), the extent of which is largely dependent on

the inherent chemical structure of the pollutant, soil’s clay content and both

amounts and properties of organic matter (Semple et al. 2003; Laha et al. 2009).

In this respect, a(b)dsorption onto soil humic matter can significantly reduce the

bioavailability of a compound, thus reducing its mobility to ground and surface

waters (Kim et al. 1997). The intensity of sorption tends to increase with contact

time of the pollutant with soil constituents, a phenomenon referred to as “aging”,

thus resulting in decreased pollutant bioavailability (Welp and Bruemmer 1999;

Laha et al. 2009). Soil’s pH may also affect the sorption of HPP, such as
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pentachlorophenol (PCP), which is readily converted into its water-soluble pheno-

late anion at high pHs (Boyle 2006).

In some instances, sorption of HPP to soil may be beneficial, especially at high

concentrations as their toxicity may be reduced, enabling introduced fungi to grow

in the soil. It is still unclear whether fungi transform sorbed pollutants or whether

they require that the pollutants be in solution. Although it has been suggested that

both mechanisms might be operational in WRF (Barr and Aust 1994), the latter

might be predominant. This is suggested by the high correlation found between

amounts of degraded contaminants and respective bioavailabilities observed in

several fungal microcosms (Bogan and Lamar 1999; Leonardi et al. 2007; Covino

et al. 2010a, b). In addition, the ability of WRF to degrade PAH beyond their

respective bioavailable fractions was observed for limited number of contaminants

(Covino et al. 2010a) and found to be matrix dependent (Covino et al. 2010b). Thus,

the use of surfactants, able to act as mobilising agents (MAs) of contaminants,

appears to be a viable approach (Table 17.1).

17.3 Surfactants and Other Mobilising Agents: Structural

Properties and Mode of Action

Surfactants are organic molecules comprising a hydrophilic head and a hydropho-

bic tail that confer them amphiphilic properties.

As a function of the charge properties of their hydrophilic group, surfactants can

be assigned to four distinct classes, namely, nonionic, anionic, cationic and zwitter-

ionic ones. Surfactants can be obtained via either chemical means (i.e. synthetic

surfactants) or can be produced by a variety of microorganisms and are thus generally

referred to as biosurfactants. In synthetic ones, on the one hand, the most frequent

hydrophobic moieties are polyalcohols, paraffins, olefins, alkylbenzenes and

alkylphenols. On the other hand, the hydrophilic group is either a sulphate or

sulphonate or carboxylate group in anionic surfactants, a quaternary ammonium

group in cationic ones and polyoxyethylene, sucrose, or polypeptide in nonionic ones.

Biosurfactants, instead, can be either low molecular mass substances, such as

glycolipids and lipopeptides (Rosenberg and Ron 1999; Singh et al. 2007), or

high molecular weight polymers, such as emulsan, alasan or biodispersan (Calvo

et al. 2009).

Above a surfactant-specific threshold concentration, referred to as critical

micelle concentration (CMC), these compounds tend to form colloidal-sized

clusters in water termed micelles (Volkering et al. 1998). The CMC in aqueous

solutions is dependent on surfactant’s chemical structure and is significantly

affected by the temperature, by the ionic strength and by the presence of various

organic compounds. With regard to the chemical structure, the CMC generally

decreases as the hydrophobic character of the surfactant increases; anionic

surfactants, however, have much higher CMCs in aqueous solution than nonionic

ones with an equivalent hydrophobic group (Rosen 1989).
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The surfactant-promoted increase in bioavailability of HPP derives from two

concomitant factors. On the one hand, the pollutant solubilises within the hydro-

phobic core of the micelle, a phenomenon known as micellar solubilisation (Singh

et al. 2007). On the other hand, the surfactant promotes a decrease in both surface

and interface tensions, thus resulting in the facilitated transport of the pollutant

from the solid phase to the aqueous one (Mulligan 2005; Van Hamme et al. 2006).

Interactions between HPP and surfactants in soil are strongly affected by a

number of variables, mainly including surfactant concentration in soil with respect

to its CMC, solubility of the pollutant and soil’s physico-chemical properties

(Haigh 1996; Laha et al. 2009) as well as by their inherent properties. The most

important parameter that has to be considered to evaluate the mobilising ability of a

given surfactant towards HPP is its CMC. In general, sub-CMC conditions in soil

have little or void effect on solubilisation of HPP since the presence of surfactant

can even enhance the adsorption of hydrophobic xenobiotics to soil, due to their

partitioning of the pollutant into surfactant adsorbate mono- and bilayers termed

hemimicelle and admicelles, respectively (Volkering et al. 1998; Mulligan 2005).

Figure 17.1 shows the different forms with which surfactants are present both in

pore water and on the surface of soil’s colloids. This surfactant-promoted HPP

absorption phenomenon was reported for a variety of mobilising agents and shown

to be reversed when their concentrations were further enhanced in the system

(Klummp et al. 1991; Edwards et al. 1994). Thus, solid matrices, such as soils

and sediments, require much higher total surfactant concentrations (i.e. supra-CMC

conditions) than clean water systems in order to achieve micellisation which is a

prerequisite for pollutant desorption. In fact, although the presence of electrolytes

in soil’s pore water is known to reduce CMC of surfactants, their extensive

adsorption onto soil surfaces requires that they be applied at concentrations largely

exceeding their respective CMC (Haigh 1996; Volkering et al. 1998).

Emulsion droplet
Micelle

a

b

Monomer

Monomer

Hydrophobic tail

Hydrophylic head
Hemimicelle

Admicelle

Soil’s solid phase surface

Fig. 17.1 Schematic depiction illustrating surfactant forms in both pore water (a) and onto the

surface of soil’s colloids (b) (Adapted from Volkering et al. 1998)
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Although cyclodextrins are frequently used to mobilise contaminants, they differ

from surfactants from both a structural and mode of action viewpoint (Del Valle

2004). They are cyclic oligosaccharides with the relatively less polar parts of the

sugar moiety oriented towards the inner cavity. They can be divided into a-, b- and
g-cyclodextrins composed of 6, 7 and 8 glucopyranose units, respectively, with

increasingly larger inner cavity (Boyle 2006). Cyclodextrins can form inclusion

complexes with several pollutants, the solubility and availability of which differ

from those of the noncomplexed counterparts.

17.4 Use of Mobilising Agents on Mycoremediation

Although there are contrasting reports with regard to the ability of surfactants to

either stimulate or inhibit HPP biodegradation in soil, there is a general agreement

that contaminant desorption often results in enhanced biodegradation.

A variety of phenomena have been invoked to explain negative impact of

surfactants on microbial degradation including their preferential use as growth

substrates (Tiehm 1994), a surfactant-promoted toxicity (Van Hamme et al. 2006;

Singh et al. 2007), a direct effect of the micelles shielding HPP from microbial

attack (Putcha and Domach 1993) and a negative effect on bacterial adhesion to

nonaqueous phase liquids (Stelmack et al. 1999).

Due to their properties, surfactants exert a variety of effects on fungi, including a

modification of the permeability of the plasma membranes with subsequent modi-

fication of excretion processes (Leěstan et al. 1993), influence on growth either

exerted via their ability to act as C sources (Marquez-Rocha et al. 2000; Zheng and

Obbard 2002a) or via their direct toxicity (Leonardi et al. 2007). Another important

aspect is associated with the impact of surfactants on resident microbiota that might

significantly affect the interactions between the exogenously added fungus and the

indigenous microbial communities. This factor, besides affecting the competitive

ability of the fungus, also modifies the outcome of the cleanup process which often

arises from the synergistic interaction between indigenous and exogenous microbes

(Andersson and Henrysson 1996; in der Wiesche et al. 1996; Meulenberg et al.

1997). Thus, for ease of clarity, these aspects will be discussed within separated

subsections.

17.4.1 Effect of Mobilising Agents on Degradation
Performances

The addition of MAs to enhance mass transfer rate and bioavailability of soil

pollutants has received considerable attention in soil mycoremediation (Chung

et al. 2000; Marquez-Rocha et al. 2000; Zheng and Obbard 2001; Zhou et al. 2007).
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In a systematic study, Bogan and Lamar (1999) showed that the most effective

surfactants on degradation of PAH in industrial soils by six WRF strains were

Tween 80 and Triton X-100, belonging to the groups of alkyl ethoxylates and

alkylphenol ethoxylates, respectively. Tween 80, however, was more effective than

the latter in agreement with a previous study where the mineralisation of 14C-

labelled benzo[a]pyrene (BaP) in soil by both Trametes versicolor and Trametes
hirsuta was markedly enhanced in the presence of this surfactant (Boyle et al.

1998). Similarly, Tween 80 significantly enhanced PAH degradation by white-rot

fungi in both spiked (Marquez-Rocha et al. 2000) and historically contaminated

soils (Leonardi et al. 2008). In another study, conversely, the use of either Tween 80

or Tween 20 did not affect the PAH-degrading ability of both Pleurotus ostreatus
3004 and Irpex lacteus 617/93 in a historically contaminated soil from a gasholder

site, where the non-bioavailable fraction of contaminants was scarcely abundant

(i.e. 4 % with respect to the overall PAH content) (Leonardi et al. 2007). In the same

study, mycoremediation performances in a silty–loamy soil from a wood treatment

plant increased for the highly condensed PAHs BaP, benzo[g,h,i]perylene (BghiP)
and indeno[1,2,3-cd]pyrene (IPy), the non-bioavailable fractions of which

amounted to more than 80 % of their respective content (Leonardi et al. 2007).

Similar results were obtained by Zheng and Obbard (2001), who reported an

enhancement in the depletion of 4- and 6-ring PAH in the presence of Tween 80

and a void effect on three-ring compounds. The same study pointed out that the

surfactant-promoting effect on highly condensed PAH degradation correlated with

an increased contaminant concentration in the aqueous phase (Zheng and Obbard

2001). In another study, chrysene degradation in soil by a Polyporus sp. isolate

markedly increased in the presence of 0.5 % Tween 80 with respect to the same

microcosm where the surfactant had been omitted (86 vs. 30 %, respectively)

(Hadibarata and Tachibana 2009). Besides its susceptibility to be metabolised by

fungi and its good mobilising ability, Tween 80 contains a monounsaturated acyl

chain (i.e. oleic acid) which might be involved in MnP-mediated lipid peroxidation

leading to radicals able to oxidise even PAH with IP higher than 7.55 eV (Moen and

Hammel 1994; Yap et al. 2010).

To assess whether surfactants might affect the possible incorporation of the

pollutant onto the organic matter (OM) of a soil augmented with P. ostreatus, a
mass balance of pollutant recovery in distinct OM fractions was performed by using
14C-labelled anthracene, fluoranthene and BaP (Bogan et al. 1999); among these

PAH, only BaP was incorporated onto humic matter at a larger extent in the

presence than in the absence of a non-specified proprietary nonionic surfactant.

The degradation ability of I. lacteus and P. ostreatuswas comparatively assessed

in a soil, where recent contamination was simulated by spiking with a mixture of

seven PAH, and in the presence of several MAs (i.e. soybean oil, Tween 20, Tween

80, olive oil mill wastewaters and randomly methylated b-cyclodextrins) (Leonardi
et al. 2008). Among them, soybean oil best affected PAH degradation, the overall

residual concentrations of which were lower than those in its absence (57.7 vs.
201.3 and 26.3 vs. 160.4 mg kg�1 with I. lacteus and P. ostreatus, respectively)
(Leonardi et al. 2008). In another study, irrespective of the fungus employed, the
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enhancing effect due to the use of soybean oil mainly affected the least soluble

components of a PAH mixture, namely, chrysene (CHR), benzo[k]fluoranthene
(BkFLT) and BaP (Giubilei et al. 2009). The positive effect of plant oils on fungal

PAH removal from a historically contaminated manufactured gas plant soil had

been first reported by Bogan and Lamar (1999); no enhancing effect was found in

the non-inoculated control soil, thus suggesting that contaminant losses were not

due to either resident microbiota or to abiotic mechanisms, such as auto-oxidative

lipid peroxidation. With this regard, plant seed oils, including soybean oil, have

molar solubility ratios for PAH similar to those of conventional MAs, thus

facilitating the desorption of hydrophobic contaminants from soil organic colloids

(Bogan and Lamar 1999; Pannu et al. 2004; Pizzul et al. 2007). In addition, it is

worth remembering that soybean oil, due to the high content in polyunsaturated

fatty acids (PUFA), is susceptible to peroxidation triggered by LME. This mecha-

nism appears to play a relevant role in PAH oxidation by WRF (Moen and Hammel

1994; Böhmer et al. 1998). Indeed, soybean oil is characterised by a predominance

of PUFA, with linoleic and linolenic acids accounting for the 50–55 and 5–9 % of

the total fatty acids content, respectively (Ferrari et al. 2005). Figure 17.2 shows

MnP-mediated generation of highly reactive fatty acid radicals from linoleic acid

(Yap et al. 2010).

Various preparations of cyclodextrins have been used in mycoremediation with

variable results. With this regards, fluorene degradation by Absidia cylindrospora
in soil slurry system was improved in the presence of maltosyl cyclodextrins (Garon

et al. 2004). Randomly methylated b-cyclodextrins (RAMEB) also exerted

a positive effect on 4- and 5-ring PAH by I. lacteus while they did not affect

P. ostreatus degradation performances (Leonardi et al. 2008). Although b- and
g-cyclodextrin preparations protected T. hirsuta from PCP toxicity, their use led to

a partial and total suppression of contaminant mineralisation, respectively, since

they appeared to decrease contaminant availability to the fungus (Boyle 2006).

Similarly, the ability of a given surfactant to promote contaminant degradation was

suggest to depend on the structure of its micelles and on the mechanisms of

interaction between micellised surfactant and fungal strain (Garon et al. 2002).

Also the application mode of the surfactant might have an impact on

mycoremediation. For instance, it was found that the beneficial effect of Brij 30

on mycoremediation was more pronounced when the soil was pre-soaked with

surfactant and incubated for 6 days prior to fungal inoculation and allowed a

fivefold reduction in the amounts of MA requirement (Bogan and Lamar 1999);

when the pre-soak phase was longer, the benefits were lost likely due to the

metabolisation of the surfactant by the resident microbiota.

Enhanced PAH degradation activity was observed in soil added with olive mill

wastewater (OMW) and subsequently treated with I. lacteus and P. ostreatus as

compared to the respective controls where OMW had been omitted (94.7 and 119.5,

respectively, vs. 201.3 and 160.4 mg kg�1 soil). Thus, the rationale of using OMW

as a putative MA based on its content of both residual lipids and humic-like

substances (Capasso et al. 2002) was confirmed by these results. In addition,

OMW contains some monomeric phenols, such as 4-hydroxybenzoic acid and

17 Effect of Mobilising Agents on Mycoremediation of Soils Contaminated by. . . 405



4-hydroxybenzyl alcohol that have been shown to act as valuable redox mediators

in laccase-catalysed PAH oxidation (Johannes and Majcherczyk 2000). These

findings might be of further support to the ever-increasing practice of OMW

landspreading, currently allowed in some countries (Tomati 2001).
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Fig. 17.2 Schematic diagram of MnP-mediated peroxidation of linoleic acid as a representative

polyunsaturated fatty acid. The reaction is initiated by hydrogen abstraction at the bis-allylic

position of the fatty acid by either MnP or Mn(III). Reaction [1] involving the homolytic cleavage

of the O–O bond of lipid hydroperoxide by Mn(II), although theoretically possible, was not found

to take place by Watanabe et al. (2001). Reaction [2] involves the homolytic cleavage of the O–H

bond of the lipid hydroperoxide by Mn(III), thus generating stable acyl radicals. Free radical

generation during electron transfer between MnP and lipid hydroperoxide is shown in reaction [3]

(Adapted from Yap et al. 2010)
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Although PCB are highly hydrophobic compounds, the combined use of

surfactants and WRF in their degradation was mostly limited to either liquid

cultures (Beaudette et al. 2000) or to washing applications (Ruiz-Aguilar et al.

2002) with a sole exception (Viney and Bewley 1990); in this last study, Triton

X-100 was added to a sandy soil spiked with 1,000 mg kg�1 Aroclor 1242, and a

40 % PCB degradation was achieved by a mixed consortium of biphenyl-degrading

bacterial isolates and the white-rot fungus Phanerochaete chrysosporium after 20

weeks incubation.

Another bioremediation option involves soil washing with pollutant MAs and

subsequent biodegradation of leached contaminants. Several studies have employed

a two-step approach based on soil washing with surfactants followed by fungal

degradation of extracted contaminants in liquid cultures (Ruiz-Aguilar et al. 2002;

Zheng and Obbard 2002a, b). Ruiz-Aguilar et al. (2002) reported on the degradation

by three WRF (i.e. T. versicolor, P. chrysosporium and L. edodes) of PCB that had

been leached from a historically contaminated soil by a variety of surfactants (i.e.

Tween 80, Triton X-100 and Tergitol NP-10). Degradation outcomes were strongly

species- and surfactant-dependent, but the combined use of Tween 80 with P.
chrysosporium led to the highest PCB removal (70 %) at initial contaminant

degradation of 1,800 mg l�1 in the washing solution (Ruiz-Aguilar et al. 2002). A

similar approach was used by Zheng and Obbard (2002a) who employed Tween 80

to wash PAH from a 9-month aged spiked soil and investigated their degradation in

a rotating biological contactor (RBC) with immobilised P. chrysosporium.
Removal efficiencies of PAH contaminants were higher than 90 % and 76 %

when the RBC was operated in batch and continuous mode, respectively.

17.4.2 Effect of Mobilising Agents on Fungal Growth

The wide biological effects exerted by surfactants require that several variables be

taken into account to interpret their impact on fungal growth. Additional problems

stem from the difficulty to transfer information derived from simplified model

systems (i.e. liquid cultures on chemically defined media) to the soil scenery. For

instance, one recurring point related to the use of MAs in soil remediation concerns

their concentrations, which generally have to be well above their CMC as exten-

sively reviewed by Haigh (1996). Consequently, fungal growth plate assays in the

presence of different surfactant concentrations have been preliminarily performed

with candidate strains to bioaugmentation (Garon et al. 2002; Leonardi et al. 2007);

in some cases, such as with Tween 20, they were found to be predictive with respect

to the occurrence of possible growth inhibitory effects on soil as observed for

P. ostreatus (Leonardi et al. 2008). In a systematic plate-screening study conducted

on a significant number of fungi, it was found that octylphenol-type (i.e. Triton

X-100) and sorbitan-type (i.e. Tween 80) nonionic surfactants were tolerated at

concentrations exceeding their respective CMCs, while the anionic surfactant SDS

proved to be rather toxic (Garon et al. 2002). The higher tolerance of fungi towards
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Tweens might be related to their ability to use this surfactant as a growth substrate

as observed for P. ostreatus (Marquez-Rocha et al. 2000) and P. chrysosporium
(Zheng and Obbard 2001; Ruiz-Aguilar et al. 2002), T. versicolor and L. edodes
(Ruiz-Aguilar et al. 2002). Ruiz-Aguilar et al. (2002) investigated PCB degradation

by three WRF (i.e. T. versicolor, P. chrysosporium and L. edodes) in the presence of
three nonionic surfactants (Tergitol NP-10, Triton X-100 and Tween 80). In

preliminary plate tests, Tween 80 had no inhibitory effect on fungal radial growth,

whereas the other surfactants inhibited the growth rate by 75–95 %.

Another recurring point in mycoremediation is the frequent addition of lignocel-

lulosic materials (LM) to contaminated soils which is done to either improve fungal

colonisation (Boyle 1995; D’Annibale et al. 2005) or to formulate their inocula

(Ford et al. 2007). In this respect, cellulose, which is a major component of LM, is

known to have hydrophobic regions in its macromolecular structure (Pérez et al.

2002; Tengerdy and Szakacs 2003). Surfactants, the structure of which entails both

hydrophobic and hydrophilic heads, are able to affect the surface properties of

cellulose making it more accessible to enzymatic hydrolysis, thus leading to more

effective decomposition of this macromolecule (Wu and Ju 1998; Shi et al. 2006).

Moreover, the addition of a given surfactant to a solid matrix on the growth

response of fungi might be significantly different in the presence and in the absence

of HPP (Boyle 2006; Leonardi et al. 2008).

Among different MAs added to a PAH-spiked soil, soybean oil best supported

the growth of P. ostreatus and I. lacteus that was twice that observed in soil in the

absence of MAs (Leonardi et al. 2008). In another study conducted on the same

contaminated soil, the biomass of Allescheriella sp. and Phlebia sp. increased 35-

and about 2-fold, respectively (Giubilei et al. 2009). It is worth mentioning that

soybean oil addition also resulted in a remarkable increase in biomass production in

liquid cultures of other basidiomycetes including Grifola frondosa (Hsieh et al.

2008) and P. ostreatus (Belinky et al. 1994). The marked stimulatory effect of oils

on growth of the white-rot fungus Agaricus bisporus was well above than that

expected if the lipid were a mere carbon source, thus suggesting the possible

presence of fungal growth factors (Wardle and Schisler 1969).

Yet, the effect of some surfactants on fungal growth appears to be species-

specific and probably contaminant-specific. For instance, the presence of RAMEB

did not significantly affect P. ostreatus and I. lacteus growth in a PAH-

contaminated soil (Leonardi et al. 2008), while the inhibitory effect of PCP on T.
hirsuta growth appeared to be alleviated by cyclodextrins, via the formation of

inclusion complexes within their hydrophobic cavities (Boyle 2006).

17.4.3 Effect of Mobilising Agents on Extracellular
Enzyme Production

Another aspect related to the use of MAs in soil mycoremediation that has not yet

been given the right consideration is the impact of these agents on the production of

408 A. D’Annibale et al.



lignin-modifying enzymes and extracellular glycosyl hydrolases (EGH). On the one

hand, LME, due to their low substrate specificities and their ability to use small

molecular weight substances, are often involved in the degradation of soil

contaminants (Böhmer et al. 1998; Kotterman et al. 1998; Cañas et al. 2007). On

the other hand, EGH play a fundamental role in the utilisation of LM via their

hydrolytic action on structural polysaccharides, thus resulting in the liberation of

easily assimilable compounds (Pérez et al. 2002).

With regard to LME, it has long been known that several surfactants are able to

stimulate their secretion in liquid cultures of WRF (Asther and Corrieu 1987;

Leěstan et al. 1993). Both Tween 80 and its acyl component, namely, oleic acid,

exerted a high stimulatory activity on P. chrysosporium ligninase which was

preceded by induction of lipase (Asther and Corrieu 1987). These results were

later confirmed by Leěstan et al. (1993) who showed that, in addition to Tween 80

and Tween 20, polyoxyethylene oleate (15EO)C18:1 and the hydrophilic fraction of

Tween 80 enhanced P. chrysosporium ligninase activity over 200-fold, indicating

that the stimulatory effect was not due to the surfactants as a whole. In another

study, MnP activity was fourfold stimulated by the presence of Tween 80 (Wang

et al. 2008). Cultures with increased lignolytic peroxidase activities exhibited

preferential enrichment of total and polar lipids and an increased unsaturation

index in their plasma membrane (Leěstan et al. 1993), thus providing evidence in

favour of early studies (Reese and Maguire 1969; Asther et al. 1988). The same

stimulatory effects of plant oils and Tweens have been reported for laccase produc-

tion by a variety of fungi (Giese et al. 2004; Yamanaka et al. 2008).

Despite these findings, suggesting a general positive effect on LME release by

fungal liquid cultures, the presence of MAs in mycoremediation led to highly

variable results. MnP activity from I. lacteus was repressed by the presence of

surfactants (Leonardi et al. 2008). Addition of either Tween 80, Brij 35 or Triton

X-100 to P. chrysosporium soil slurry cultures led to both suppression and marked

reduction of LiP and MnP productions, respectively (Zheng and Obbard 2001).

Conversely, LiP and MnP activities of Phlebia sp. grown in a PAH-spiked soil

markedly increased in the presence of either soybean oil or Tween 80 (Giubilei

et al. 2009); in the same study, Tween 20 led to a twofold stimulation of

Allescheriella sp. MnP activity. The discrepant effects of surfactants frequently

observed in contaminated soils with respect to liquid cultures of the same species

might be partially explained by the fact that these MAs are used at concentrations

largely exceeding their respective CMC. This might explain, for instance, why the

highly stimulatory effect of Tween 80 on MnP activity in both stationary

and shaken cultures of I. lacteus (Novotny et al. 2004) was not found in a

PAH-contaminated soil (Leonardi et al. 2008).

With regard to the effect of MAs on EGH, OMW and RAMEB had a stimulatory

effect on the activities of P. ostreatus endo-b-1,4-xylanase, cellobiohydrolase and
endo-b-1,4-glucanase grown in a PAH-contaminated soil (Leonardi et al. 2008). An

approximately twofold increase in both Phlebia sp. endo-b-1,4-xylanase and

cellobiohydrolase activities was observed during augmentation of a PAH-spiked

soil (Giubilei et al. 2009). It is worth noting that MAs may affect the hydrolases’
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depolymerising efficiency: in fact, nonionic surfactants such as Tween 20 and 80

are capable of modifying cellulose surface properties and alleviate enzyme deacti-

vation by minimising the irreversible binding of the enzyme to the substrate

(Converse et al. 1988; Wu and Ju 1998). This results in enhanced cellulose

hydrolysis with consequent higher supply of readily available carbon sources (Shi

et al. 2006). In addition, and similarly to LME, an enhancing effect of nonionic and

anionic surfactants on EGH secretion has been reported in submerged cultures of

fungi (Reese and Maguire 1969; Goes and Sheppard 1999; Tribak et al. 2002).

17.4.4 Effect of Mobilising Agents on Resident Microbial
Communities

The impact of both mycoremediation and other associated interventions on the

resident microbiota might not be ignored in order to deeply understand their failure

or success. For instance, mycoremediation of PAH-contaminated soils often

resulted in the accumulation of dead-end metabolites, such as PAH diones

(Andersson and Henrysson 1996), and led to negligible mineralisation of

contaminants (Andersson et al. 2003), thus requiring the action of the indigenous

microbiota to complete the degradation process (in der Wiesche et al. 1996;

Meulenberg et al. 1997). The concomitant use of surfactants might pose further

problems either due to their intrinsic toxicity or to their ability to mobilise

contaminants at levels that can be harmful to microbiota (Singh et al. 2007).

Conventionally, enumeration of heterotrophic and/or specialised cultivable bacteria

has been used to assess the impact of the combined use of WRF and MAs (Pizzul

et al. 2007; Leonardi et al. 2008; Giubilei et al. 2009). Cultivable bacteria, however,

represent only a minor fraction of the total microbial community (Tyson and

Banfield 2005). Consequently, cultivation-independent approaches, such as

denaturing gradient gel electrophoresis (DGGE) or terminal restriction fragments

length polymorphism (t-RFLP) analyses of PCR-amplified 16S rRNA genes, have

been adopted to gain further insights into these issues (Fedi et al. 2005; Giubilei

et al. 2009).

In some cases, however, cultivation-dependent and cultivation-independent

approaches provided with results that went to the same direction. For instance,

microbial densities in non-inoculated and Phlebia-augmented PAH-contaminated

soil in the presence of both soybean oil and Tween 80 were significantly lower than

without these surfactants, while those in Allescheriella sp. microcosms were not

negatively affected (Giubilei et al. 2009). DGGE analysis of PCR-amplified 16S

rRNA genes showed that in Phlebia sp.-augmented soil, richness (S) and

Shannon–Weaver index (H) were negatively affected by soybean oil, while the

same parameters were generally improved in soil augmented with Allescheriella sp.
(Giubilei et al. 2009) (Fig. 17.3). The negative effect of soybean oil on cultivable

bacteria was suggested to be either due to an imbalance between the added carbon
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and soil nutrients (Pizzul et al. 2007) or to the likely occurrence of a physical barrier

impairing gaseous exchanges (Borden 2007). The discrepancies in the responses of

bacterial biota in Allescheriella sp. and Phlebia sp. microcosms in the presence of

soybean oil might be due to the better capacity of the former fungus to catabolise

the MA. In this respect, several studies have shown that Tween 80 is readily

catabolised by WRF during PAH degradation (Marquez-Rocha et al. 2000; Zheng

and Obbard 2001).

In another study, the use of randomly methylated b-cyclodextrins (RAMEB)

enhanced both microbial densities and biodiversity of non-inoculated and I.
lacteus- and P. ostreatus-augmented soils (Leonardi et al. 2008) (Fig. 17.3). In this
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Fig. 17.3 Effect of soybean oil, Tween 20, Tween 80 and randomly methylated b-cyclodextrins
(RAMEB) additions (2.5 %, w/w) on bacterial population biodiversity (a, richness and, b,

Shannon–Weaver index) during mycoremediation of a PAH-spiked soil incubated for 6 weeks

at 28 �C (Adapted from Leonardi et al. 2008; Giubilei et al. 2009). n.e. not evaluated
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respect, several investigators observed a generalised and marked stimulation of

cultivable heterotrophic and specialised bacteria in the presence of different

cyclodextrins in PCB-contaminated matrices (Fava et al. 2003; Fedi et al. 2005).

However, in off-site biostimulation trials of contaminated soils, a reduction in

biodiversity, expressed as the number of terminal restriction fragments, was evident

(Fedi et al. 2005).

17.5 Conclusion and Perspectives

Although the combined use of surfactants with WRF has often been successfully

employed in the remediation of soils contaminated by HPP even at the field scale,

the variability of results suggests that their application requires substantial research

on a case-by-case basis. This uncertainty stems from both the complexity and

variability of interactions between surfactants and soil components and on the

array of species-dependent biological effects of surfactants. Thus, the required

surfactants loads onto soil are high and well above the CMC due to their high

tendency to interact with soil colloids and are difficult to be estimated. This

literature survey clearly shows that the large majority of surfactant-assisted

mycoremediation studies have been addressed towards the use of nonionic ones.

Among them, Tween 80 has been shown to be particularly promising due its good

HPP-mobilising activity and high biodegradability. In addition, plant oils have been

also shown to be effective in mycoremediation due to their high molar

solubilisation ratios, their ability to act as co-substrates and their interaction with

LME. Thus, further elucidation of both basic and applied aspects related to the use

of plant oils will undoubtedly be a productive research line. Intensive researches

have found that the surfactants have marked stimulatory effects on the production

of fungal glycosyl hydrolases and LME and thus they may improve both decompo-

sition of added lignocellulosic amendments and contaminant degradation (Liu et al.

2008; Liang et al. 2010). Due to the high effectiveness and low toxicity to

microorganisms and environmental compatibility, the unique ability of

biosurfactants to enhance the organic contaminant biodegradation and bioremedia-

tion has gained more and more attention and will undoubtedly lead to application in

pollution control (Calvo et al. 2009). Despite this, biosurfactants have not been so

far employed in mycoremediation techniques, and either their direct use or the

combined inoculation of biosurfactant-producing strains with WRF might deserve

attention. In this respect, it is interesting to note that the interspecific interactions

between WRF and bacteria able to produce surfactants have resulted in increased

production of relevant enzymes in bioremediation, such as LME (Crowe and

Olsson 2001; Baldrian 2004). Another aspect that has been scarcely faced is the

impact of the combined use of both WRF and surfactants on resident communities

in contaminated sites. This is made necessary by the increasing evidence that HPP

degradation derives from the cooperative action between added fungi and autoch-

thonous communities. This interplay often involves a modification of contaminant
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availability exerted by the former leading to the formation of more polar

metabolites the mineralisation of which is sequentially performed by resident

bacteria.
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Chapter 18

New Insights into the Use of Filamentous Fungi

and Their Degradative Enzymes as Tools for

Assessing the Ecotoxicity of Contaminated

Soils During Bioremediation Processes

Christian Mougin, Nathalie Cheviron, Marc Pinheiro, Jérémie D. Lebrun,

and Hassan Boukcim

18.1 Introduction

Among available processes allowing the reuse of polluted soils, bioremediation is

of priority interest. It exploits the capability of microorganisms, mainly bacteria or

fungi, to transform pollutants, thus offering permanent solutions such as immobili-

zation or degradation of the contaminants. For more than 2 decades, powerful

capabilities of filamentous fungi, and especially those of ligninolytic white-rot

basidiomycetes, have been studied and used to target specific pollutant in waste

and soils (Mougin et al. 2003; Asgher et al. 2008; Novotny et al. 2009). The use of

bioremediation, however, is not lacking of problems. The possible accumulation in

the environment of toxic pollutants or transformation products emphasizes the fact

that microorganisms, by themselves, can be insufficient to protect the biosphere

from adverse toxic effects.

Here, we would like to demonstrate that fungal enzymes appear to be promising

tools either for remediating polluted soil or for the assessment of its possible

ecotoxicity during the bioremediation process. We illustrate in this chapter the
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relationship between fungal enzymes involved in polycyclic aromatic hydrocarbons

(PAHs) and their ecotoxicological assessment when also considered as biomarkers.

Researches on the development of these biomarkers are also presented considering

model pollutants.

18.2 From Soil Bioremediation to Ecotoxicological Risk

Assessment, the Example of Polycyclic Aromatic

Hydrocarbons

PAHs constitute one of the most ubiquitous families of organic pollutants found in

the environment. Extensive efforts of research have been developed in the field of

soil bioremediation since many PAHs and their transformation products are known

to be toxic, mutagenic, and carcinogenic (Penning et al. 1999; Bolton et al. 2000).

Yet remediation strategies have been reviewed by Gan et al. (2009). Fungal

metabolism of PAHs has been and remains extensively studied because of the

increasing development of remediation processes using filamentous fungi (Mougin

2002). Numerous fungi among zygomycetes, deuteromycetes, ascomycetes, and

basidiomycetes metabolize PAHs. Bacteria and fungi exhibit distinct pathways for

PAH transformation. Non-ligninolytic fungi produce metabolites including trans-

dihydrodiols, phenols, quinones, tetralones, and dihydrodiol epoxides. In addition,

ligninolytic basidiomycetes are able to cleave the aromatic rings, mineralize them,

and also produce quinones. All of these fungal metabolites are produced during

phase 1 reactions. During phase 2 metabolism, some of them are conjugated with

hydrophilic moieties. Then, fungal metabolites can be retained within the cells or

released in their environment.

18.2.1 Fungal Biotransformation of Polycyclic Aromatic
Hydrocarbons and Consequences upon Their Ecotoxicity

The biotransformation of PAHs, as well as other organic pollutants, can be due to

direct metabolism or indirect effect of organisms on the environment. Three

processes are typically involved in direct metabolism, namely, biodegradation,

cometabolism, and synthesis (Mougin 2002).

During biodegradation, one or several interacting organisms metabolize a given

PAH into carbon dioxide and other inorganic components. In this way, the

organisms obtain their requirements for growth and energy from the molecule.

From an environmental point of view, biodegradation is the most interesting and

valuable process, because it leads to the complete breakdown of a molecule without

the generation of accumulating intermediates. The prevalent form of PAH metabo-

lism in the environment is cometabolism, in which organisms grow at the expense
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of a cosubstrate to transform the chemical without deriving any nutrient or energy

for growth from the process.

Cometabolism is a partial and fortuitous metabolism, and enzymes involved in

the initial reaction lack substrate specificity. Generally, cometabolism results only

in minor modifications of the structure of the PAH, but different organisms can

transform a molecule by sequential cometabolic attacks, or another can use

cometabolic products of one organism as a growth substrate. Intermediate products

with their own bio- and physicochemical properties can accumulate, thus causing

some adverse effects on the environment.

Synthesis includes conjugation and oligomerization. In that case, xenobiotics are

transformed into compounds with chemical structures more complex than those of

the parent compounds. During conjugation, a xenobiotic (or one of its transforma-

tion products) is linked to hydrophilic endogenous substrates, resulting in the

formation of methylated, acetylated, or alkylated compounds, glycosides, or

amino acid conjugates. These compounds can be excreted from the living cells or

stored. During oligomerization (or oxidative coupling), a xenobiotic combines with

itself or with other xenobiotic residues (proteins, soil organic residues). Conse-

quently, they produce high molecular weight compounds, which are stable and

often incorporated into cellular components (cell wall) or soil constituents (soil

organic matter). This biochemical process not only affects the activity and the

biodegradability of a compound in limiting its bioavailability but also raises

concern about the environmental impact of the bound residues. However, because

of their chemical structure, PAHs can be conjugated, but they are poorly subjected

to oligomerization.

Fungal metabolism of PAHs, as described below, has been extensively described

in the past by Cerniglia and coworkers (i.e., Cerniglia and Sutherland 2001).

Biodegradation aspects of PAHs have been reviewed by Haritash and Kaushik

and Mougin et al. in 2009. Often, the first step of PAH metabolism consists in ring

epoxidation by a cytochrome P450 monooxygenase, leading to an unstable arene

oxide in animals. Arene oxides are immediately hydrated to trans-dihydrodiols by

epoxide hydrolase or rearranged nonenzymatically to phenols. The carcinogenicity

of trans-dihydrodiols can be lower than that of the parent compound (benzo[a]
pyrene trans-9,10- and 4,5-dihydrodiols) or higher (benzo[a]pyrene trans-7,

8-dihydrodiols). The nonenzymatic rearrangement of a PAH arene oxide in solution

produces phenols.

When a monooxygenase catalyzes the second oxidation of a PAH trans-

dihydrodiol, the result is a dihydrodiol epoxide. Benzo[a]pyrene trans-7,8-dihydrodiol
9,10-oxide, produced by Cunninghamella elegans, is the ultimate carcinogenic

and mutagenic metabolite of benzo[a]pyrene in mammals. The fungus also

produces benzo[a]pyrene trans-9,10-dihydrodiol 7,8-oxide, which is less mutagenic.

Dihydrodiol epoxides can be metabolized further by epoxide hydrolase to

tetrahydrotetraols.

Phenols and trans-dihydrodiols derived from PAHs are detoxified during phase

2 reactions by alkylation or conjugation with another molecule, including sulfate,

glucosides, glucuronides, and xylosides. Phenanthrene and pyrene have been shown
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to be converted into methoxylated compounds by Aspergillus niger. Sulfate conju-
gation, a common mammalian detoxification reaction, is also performed by fungi

such as C. elegans. Glucuronic acid conjugates of PAHs are detoxification products
in fungi. A soluble UDP-glucosyltransferase from C. elegans catalyzes the conju-
gation of several PAHs. Fungi produce also glucose or xylose conjugates from

PAHs, which are no more toxic.

Finally, several strains of fungi produce quinones. Non-ligninolytic fungi

formed quinones from trans-dihydrodiols. By contrast, white-rot fungi produce

extracellular enzymes (mainly lignin peroxidase—LIP, manganese-dependent

peroxidase—MNP, and laccase—LAC) that oxidize PAHs to form quinones.

These fungi also partly metabolize PAHs to CO2 and unidentified minor products.

In addition to various diseases and endocrine disorders, several PAHs induce

mutagenic, teratogenic, and carcinogenic effects. Bioremediations processes gen-

erate compounds more polar than the parent molecules, PAHs hydroxides, ketones,

and quinones, through atmospheric and metabolic reactions. Despite this fact, these

polar compounds induce adverse effects on the health of environment, as well as the

health of humans. Yet, in humans, lung cancer and bronchitis are possible

consequences. Toxicity in animals is mainly associated to the binding of PAHs

compounds on aryl hydrocarbon receptor (AhR) and thyroid hormone-related

endpoints (Bekki et al. 2009). PAH quinones and ketones, which have functional

groups with low polarity, have significant activities using AhR tests, thyroid

receptor-based tests, and have estrogenic/antiestrogenic activity. Quinones also

induce the generation of reactive oxygen species. In all living organisms, PAH

metabolites can elicit several toxic and biochemical responses such as derivation of

drug-metabolizing enzymes (cytochrome P450. . .). These results suggest that they
might have various toxic activities in animals, more generally in the environment.

In all cases, further studies on the toxicity and ecotoxicity mechanisms are neces-

sary. Then, methyl-substituted PAHs are often in mixture with unsubstituted PAHs,

and they are known to be mutagenic and carcinogenic.

18.2.2 Ecotoxicological Assessment During PAH-Contaminated
Soil Bioremediation

According to the previous knowledge, the possible ecotoxicity of PAHs and related

transformation products should be assessed in soils during bioremediation pro-

cesses, either at the laboratory scale or in situ at the field scale.

The performance of a biological treatment of a PAH-contaminated soil has been

evaluated at the field scale (Lors et al. 2009). After 6 months of incubation, the

biological treatment led to a significant reduction of 2- and 3-ring PAHs and to a

lesser extent to 4-ring PAHs. As a consequence, a significant decrease of the acute

ecotoxicity was observed passing from highly ecotoxic before treatment to non-

ecotoxic according to Lactuca sativa seedling and growth inhibition test and
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Eisenia fetida mortality test. This could be related to the bioavailability of PAHs.

Indeed, tests performed on aqueous leachates of the soil showed a strong decrease

of 2- and 3-ring PAHs correlated with a significant reduction of acute and chronic

ecotoxicity responses. The biological treatment led to the mutagenicity reduction

and the genotoxicity disappearance in the leachate. Thus, bioassays are comple-

mentary to chemical analyses to evaluate the efficiency of a bioremediation process

and to evaluate the bioavailability of the organic pollutants as the total concentra-

tion of a contaminant is not the only criterion to consider. The comparison of the

ecotoxic responses allowed underlining the high sensitivity of the earthworm,

Microtox, Algae, and Ames bioassays among the panel used.

In our laboratory, we performed some years ago an experiment intended to

demonstrate the efficiency of the white-rot Trametes versicolor to decrease the

amounts of PAHs in industrial soils (Rama et al. 2001). Solid lignocellulosic

carriers have been developed to inoculate the fungus into a manufactured gas

plant site soil. Pelleted wheat bran carriers were very efficient in stimulating the

growth of fungi in the soil containing about 2,800 mg kg�1 PAHs. Fungal biomass

and activity of extracellular LACs produced by T. versicolor (as markers of

metabolic activity in the contaminated soil) decreased after 2 weeks of incubation.

Supplementing the soil with a mixture of carbon, nitrogen, and phosphorus

enhanced the fungal activity period.

In that experiment, LAC activity was measured during several weeks after inocu-

lation of T. versicolor. The profile of laccase production was quite similar to that

of fungal biomass production during the considered period. Laccase activity was

the highest between 1 and 2 weeks after inoculation (450 nmol min�1 g�1 dry soil)

and then gradually decreased. LAC identity was checked by SDS-PAGE and activity

measurement. Its production seemed closely related to fungal growth. In addition, it

has been shown that selected PAHs could be inducers of LACs. Yet, 9-fluorenone, as

a metabolite of fluorene formed through LAC oxidation (Mougin et al. 2002a, b),

increased 22-fold the activity of LAC produced by T. versicolor. That result

demonstrated that enzymes involved in PAH metabolism can also be up- or

downregulated by fungal exposure to their enzymatic substrate.

Very recently, we started an experiment intended to correlate PAH-spiked soil

bioremediation by the fungus T. versicolor and ecotoxicological assessment of the

process. An agricultural soil was spiked with phenanthrene (90 mg kg�1 dry soil)

and benzo[a]pyrene (60 mg kg�1 dry soil), supplemented with rice bran (7 % w/w

on a dry basis) and mixed. Experiments were conducted in polyethylene jars refilled

with 9.0 kg dry soil during 40 weeks in the dark at room temperature. Inoculation

devices have been developed in order to protect T. versicolor, provide nutrients, and
ensure a significant fungal growth within the soil. Then, these devices should allow

an easy harvesting of fungal biomass exposed to contaminants for biomarker

measurements. Three situations were considered using that inoculation device

(control with PAHs and without fungus, control without PAHs and with the fungus,

complete assay). In a fourth situation, the fungus was inoculated after growth and

coating of lignocellulosic pellets (Rama et al. 2001). All fungal inoculations were

performed at the beginning of the experiments, then after 21 weeks of incubation.
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Whatever the inoculation process used, phenanthrene disappeared almost totally

(>98 %) within the first 10 weeks in the three spiked soils. By contrast, benzo[a]
pyrene was more recalcitrant to fungal attack, with a 40 % decrease in mean after 40

weeks.

As soil functioning biomarkers, global enzymatic activities have been monitored

during the remediation process, namely, dehydrogenase (ADH), b-galactosidase
(GAL), urease (URE), and arylsulfatase (ARS) (Fig. 18.1).

As concluding remarks of that part, we can underline that our results generally

indicated a good relationship between global enzymatic activities in soils and

fungal inoculation. An understanding of biochemical and physiological mechanisms

involved in biological responses is necessary to understand particular situations.
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Fig. 18.1 Dehydrogenase (a, ADH), b-galactosidase (b, GAL), urease (c, URE), and arylsulfatase
(d, ARS) activities in the PAHs-spiked soils during the fungal remediation process. Symbols refer
to filled circles, control with PAHs and without Trametes versicolor; open circles, control without
PAHs and with Trametes versicolor; filled inverted triangles, complete assay with Trametes
versicolor in the inoculation devices; open triangles, complete assay with Trametes versicolor
inoculated after growth on lignocellulosic pellets. A transient peak of ADH activity is noticed

several weeks after fungal inoculation, as already reported in 2002. GAL activity was the highest

in the soil inoculated with lignocellulosic pellets. There were no differences in URE activities until

25 weeks; then it decreased except in the jar inoculated with pellets. Finally, ARY activity was

difficult to interpret
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Because PAH degradation profiles were quite similar in the four jars, it remains

difficult to link enzymatic activities to soil contamination, including residual PAHs

and their new transformation products.

18.3 Fungal Enzymes as Candidates for Biomarker

Development

Filamentous fungi such as white-rot basidiomycetes are among themajor decomposers

of biopolymers in the environment. They have developed nonspecific and radical-

based degradation mechanisms occurring in their extracellular vicinity. Numerous

studies have identified the role of that enzymatic machinery (e.g., LIP and MNP,

LAC. . .) in the transformation capacity of ligninolytic fungi towards a wide range of

organic pollutants in contaminated soils (Gianfreda and Rao 2004; Baldrian 2006). In

addition, these fungi possess also intracellular enzymes involved in transformation

reactions, such as cytochromes P450.

18.3.1 The Extracellular Oxidoreductases

Lignin peroxidase (LIP, EC 1.11.1.13) and manganese peroxidase (MNP, EC

1.11.1.14) were discovered in the strain P. chrysosporium. LIP and MNP catalyze

the oxidation of lignin units by H2O2. If LIP degrades non-phenolic lignin units,

MNP generates Mn3+ which acts as a diffusible oxidizer on phenolic or non-

phenolic lignin units. A versatile peroxidase (VP) has been also described in

Pleurotus sp. and other fungi as a third type of ligninolytic peroxidase that

combines the catalytic properties of LIP and MNP, being able to oxidize typical

LIP and MNP substrates. In addition, a novel ligninolytic peroxidase gene (ACLnP)

was cloned and characterized from the brown-rot fungus Antrodia cinnamomea
(Huang et al. 2009). Peroxidases are glycosylated proteins with an iron protopor-

phyrin IX (heme) prosthetic group located at the active site. Therefore, MNPs are

able to oxidize and depolymerize their natural substrate, i.e., lignin, as well as

recalcitrant xenobiotics such as nitroaminotoluenes and textile dyes (Knutson et al.

2005). The use of peroxidases for soil cleaning has been studied, namely, for soils

historically contaminated with aromatic hydrocarbons and detoxified by autochtho-

nous fungi producing peroxidases (D’Annibale et al. 2006). Recently, a novel group

of fungal peroxidases, known as the aromatic peroxygenases (APO), has been

discovered (Pecyna et al. 2009). Members of these extracellular biocatalysts

produced by agaric basidiomycetes such as Agrocybe aegerita or Coprinellus
radians catalyze reactions (e.g., the peroxygenation of naphthalene, toluene,

dibenzothiophene, or pyridine) which are actually attributed to cytochrome P450

monooxygenases.
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Laccases (LAC, EC 1.10.3.2) belong to a large group of multicopper oxidases,

which includes among others ascorbate oxidases and ceruloplasmin. They occur

widely in lignin degrading filamentous fungi, including white-rot basidiomycetes.

They perform the reduction of dioxygen to water while oxidizing organic substrates

by a one-electron redox process. Laccases can oxidize a wide range of aromatic

substrates, mainly phenolic and anilines. Their occurrence, characterization,

functions, and applications have been reviewed in recent years (Baldrian 2006;

Mougin et al. 2003). Laccases are therefore involved in the transformation of a wide

range of phenolic compounds including natural substrates as lignin and humic

substances but also xenobiotics such as trichlorophenols, pesticides, polynitrated

aromatic compounds, azo dyes, and PAHs, the latter chemicals being the major

source of contamination in soil. The potential use of these oxidative enzymes for

the detoxification of organic pollutants has been extensively reviewed (Couto and

Herrera 2006; Gianfreda and Rao 2004; Mougin et al. 2003).

18.3.2 Intracellular Cytochromes P450

Cytochromes P450 constitute a large family of heme-thiolate proteins widely

distributed among living organisms. In most cases, they function as monooxygenases

by binding and activating molecular oxygen, incorporating one of its atoms into an

organic substrate, and reducing the second atom to form water. The result of P450

catalysis, depending on the protein and its substrate, results in most cases in hydrox-

ylation, but epoxidation, heteroatom dealkylation, deamination, isomerization, C–C

or C¼N cleavage, dimerization, ring formation or extension, dehydration, dehydro-

genation, or reduction has also been reported. For most eucaryotic P450s, a FAD/

FMN-dependent NADPH-P450 reductase is needed to transfer the electrons used for

oxygen activation from cytosolic NADPH. In filamentous fungi, P450s and

reductases are usually microsomal membrane-bound proteins exposed to the cytosol.

Nevertheless, soluble forms of P450s, coupling P450 and reductase in a single fusion

protein, have also been found in bacteria and fungi.

P450s are encoded by a superfamily of genes. The sequences of more than 500 of

them have already been recorded in all living organisms. They are named, and

classified in more than 150 families, according to the identity in amino acid

sequences of the deduced proteins. With a few exceptions, based on phylogenetic

considerations, proteins with 40 % or less sequence identity are considered to define

a new family. When two P450s are more than 55 % identical, they are designated as

members of a same subfamily. Families are designated by a number, subfamilies by

a letter, following the prefix CYP. Through fungal genome sequencing projects, the

discovery of P450s has advanced exponentially in recent years. More than 6,000

fungal genes coding for putative P450s from 276 families have been identified.

Cytochrome P450 enzymes in the fungal kingdom have been reviewed by

Cresnar and Petric in 2011. Knowledge concerning regulation of fungal P450s is
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only starting to accumulate. P450 expression can be regulated by fungal exposure to

xenobiotics (agrochemicals, ethanol, or drugs like phenobarbital or aminopyrine).

Fungal P450s can be also inhibited by mechanism-based inactivators (i.e.,

1-aminobenzotriazole). Numerous environmental pollutants act as P450 effectors.

18.3.3 Other Enzymatic Systems

Although not formerly involved in xenobiotic metabolism, fungi synthetize numer-

ous enzymatic systems. Extracellular one, synthetized by wood decaying and

phytopathogenic fungi, is the flavohemoprotein cellobiose dehydrogenase (CDH,

EC 1.1.3.25. It can be used as a component of amperometric biosensors for

detecting quinones (Karapetyan et al. 2006).

In addition, as many organisms, fungi produce hydrolases involved in carbon,

nitrogen, phosphorus, and sulfur cycles. These enzymes are commonly used for many

years as sensitive indicators of soil functioning. Nevertheless, the relevant interpreta-

tion of their expression level, especially in a situation of contamination, requires a

referential based on their natural spatiotemporal variability. Main hydrolases are

b-glucosidase (GLU, EC 3.2.1.21), b-galactosidase (GAL, EC 3.2.1.23), N-acetyl-
b-glucosaminidase (NAG, EC 3.2.1.30), urease (URE, EC 3.5.1.5), acid phosphatase

(PAC, EC 3.1.3.2), alkaline phosphatase (PAL, EC, 3.1.3.1), and arylsulfatase (ARS,

EC 3.1.6.1). Expression of these enzymes by fungi exposed to pollutants is not

extensively studied.

All the previous paragraphs confirm that fungi possess and produce a wide range

of enzymatic systems. Studying the specificity, the sensitivity, and the dose–response

relationships of these systems with fungal exposure to pollutants could ensure the

identification of potential biomarkers.

18.4 Ways for Research in the Field of Soil Ecotoxicology

Associated to Remediation Processes

Mechanistic studies considering the regulation of fungal enzymatic systems are

required in order to develop biomarkers and ecotoxicological tools. Targeted

enzymes must belong to distinct families of fungal enzymes, either involved in

pollutant transformation during remediation processes or involved in nutrient

cycles. T. versicolor is retained in that preliminary approach as a fungal model

efficient in degrading pollutants. In addition, the panel of environmental pollutants

has been extended to metals, because organisms are exposed to mixture of inor-

ganic and organic pollutants in soils.
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18.4.1 Laccase Regulation as a Starting Point

Among fungal enzymes, laccases (LACs) have been detected and purified as

constitutive or inducible isoenzymes from many strains. The stimulation of laccase

production with respect to the culture medium composition has also been

investigated. Metal ions and organic molecules have also been assayed for their

ability to enhance the production of the inducible form of LACs. Gallic and ferulic

acids were used mainly because of their structural analogy with lignin model

compounds. Moreover, 2,5-xylidine (2,5-dimethylaniline) has often been used to

increase enzyme production in laboratory experiments by stimulating the expres-

sion of an inducible form of LAC. The substrate range of laccase includes some

potential pollutants of the environment. Unfortunately, very little data are available

concerning the ability of these xenobiotics of environmental interest to interact with

LAC production. We measured LAC activity in liquid cultures inoculated by

T. versicolor (Mougin et al. 2002b). Agrochemicals, industrial compounds, and

their transformation products have been assayed for their ability to enhance LAC

production in liquid cultures, when added at the concentration of 0.5 mM. After 3

days of treatment, enzymatic activity in the culture medium was increased 14-fold

by 4-n-nonylphenol and 24-fold by the aniline. LAC activity was enhanced 10-fold

by oxidized derivatives of the herbicide diquat, 17-fold by N,N0-dimethyl-N-
(5-chloro,4-hydroxyphenyl)urea, and 22-fold by 9-fluorenone, as presented above.

In a second time, we attempted to demonstrate LAC induction at the transcriptomic

level. For that purpose, we followed the production of the gene AF414109 encoding

the isoform of LAC A in T. versicolor cultures and the gene U44430 encoding

the isoform B. RNAs were quantified by real-time PCR and their expression

compared to enzymatic activity. The chemical retained as reference inducer was

2,5-dimethyaniline.

Our results showed that mRNA production and LAC activity were well

correlated in mycelium of the fungus after 2 days of exposure to the inducer, with

a good dose–response relationship (Fig. 18.2a). The two markers were also linked

regarding the time of exposure (Fig. 18.2b).

By contrast, fungal exposure to 2,5-dimethylaniline failed to modify amounts of

gene U44430, suggesting distinct regulation pathways for the two subfamilies of

LACs and a specificity of responses according to chemicals.

18.4.2 Towards the Use of Profiles of Fungal Enzymes as Tools
for Ecotoxicological Assessment?

In our laboratory, we developed a program of research intended to understand

the physiological and physicochemical mechanisms governing the biological

response of filamentous fungi to environmental pollutants. One first objective is

the development of fungal biomarkers for ecotoxicity assessment. Because some
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information was already available concerning organic pollutants (see above), recent

experiments were developed with metals as pollutants. First experiments are

performed in pure fungal liquid cultures and extended to polluted soils in a second

time. The conclusions are relevant in the case of soil PAH contamination because

they consider in all cases the chemical speciation of the pollutants, their bioavail-

ability, and the exposure of organisms.

The relationship between the physiological state of fungi and the response of

their functional enzymatic system has been clarified (Lebrun et al. 2010). Our study

aims at establishing how the development phases modulate the secretion of

enzymes in T. versicolor exposed to a single pollutant, copper (Cu). For that

purpose, extracellular hydrolases (GLU, GAL, NAG, PAC, PAL, ARS) and

oxidoreductases (LIP, MNP and LAC) were monitored in liquid cultures for

2 weeks. Cu was added either during the growing or stationary phases at 20 or

200 ppm. Our results showed that Cu at the highest concentration modifies the

secretion of enzymes, whatever the development phase to which the fungus was

exposed. In a general way, the production of hydrolases is decreased by Cu whereas

that of oxidoreductases is highly increased. However, the sensitivity of enzyme

responses to Cu depends on the phase development and the type of secreted

enzyme. Furthermore, LIP, which was not measured in the control cultures, was

specifically produced in the presence of Cu. Our results confirm that

oxidoreductases may be appropriate biomarkers for ecotoxicity assessment. It

remains now necessary to investigate the response of other types of fungal enzymes

after exposure to chemicals in mixtures.

Then, the sensitivity of biological responses must be addressed regarding

the bioavailability of pollutants. Lebrun et al. (2011b)aimed at enhancing the

secretion of lignin-modifying oxidoreductases in T. versicolor by favoring the

bioavailability of essential metals. For this purpose, the fungus was exposed to

Cu or zinc (Zn) in liquid culture media exhibiting different complexation levels.

Metal speciation was determined experimentally or theoretically to quantify free
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Fig. 18.2 Laccase mRNA production (gray bars, gene AF414109) and laccase activity (black
solid line) in liquid cultures of T. versicolor spiked with 2,5-dimethylaniline, with respect to

inducer concentration (a, after 2 days of induction) and the length of exposure (b, inducer

concentration of 100 mM). Results exhibited good relationships of mRNA production and LAC

activity with respect to inducer concentration and length of exposure

18 New Insights into the Use of Filamentous Fungi and Their Degradative. . . 429



metal species, supposed to be the most bioavailable, and species complexed to

ligands. Although Zn2+ contents were high in media, Zn had no effect on oxidore-

ductase production. Conversely, Cu highly induced MNP and LAC productions

until 40 and 310 times when compared to unexposed controls. This inductive

potential was highly correlated to Cu2+ contents in media. Furthermore, in lowly

complexing media, the response threshold of oxidoreductases to Cu greatly

decreased and an unexpected production of LIP occurred, as a confirmation of the

previous result.

Moreover, Lebrun et al. (2011a) investigated the effect of Zn, Cu, lead (Pb), and

cadmium (Cd), tested alone or in equimolar cocktail, on the secretion profiles at

enzymatic and protein levels in T. versicolor cultures. They monitored extracellular

hydrolases (GLU, GAL, NAG, and PAC) and ligninolytic oxidases (LAC and

MNP). Fungal secretome was analyzed by electrophoresis, and LAC secretion

was characterized by western blot and mass spectrometry analyses. They showed

that all hydrolase activities were inhibited by the metals tested alone or in cocktail,

whereas oxidase activities were specifically stimulated by Cu, Cd, and metal

cocktail. At protein level, metal exposure modified the electrophoretic profiles of

fungal secretome and affected the diversity of secreted proteins. The LAC

isoenzymes, A and B, were differentially glycosylated according to the metal

exposure. The amount of secreted LAC A and LAC B was strongly correlated

with the stimulation of LAC activity by Cu, Cd, and metal cocktail. In conclusion,

modification of enzyme activities can now be linked to modifications of protein

secretion in relation to transcriptomic probes.

Finally, the relation between degradation of PAHs and the ligninolytic enzymes

remains difficult to be established in the soil matrix. Studies in liquid medium

showed the ability of these enzymes to degrade the PAHs, and principles governing

the various reactions are globally established. However, the experiments of biodeg-

radation of PAHs in soil have generally provided conflicting results. These results

could be explained firstly by the difficulty of extracting these enzymes in the soil

and measure of their activities and secondly by the absence of the knowledge on the

interactions between soil physical properties and the pollutant bioavailability and

enzymatic activities. These are new challenges for the environmental sciences,

especially by the study of physical coupling of processes in soils (Braudeau and

Mohtar 2009).

18.5 Conclusions and Perspectives

Through this chapter, we highlighted the following points:

– Considering the example of PAHs, we showed the complexity of the biochemi-

cal reactions catalyzed by fungi during remediation processes.

– These complex pathways resulted in the formation of numerous metabolites,

exhibiting in most cases a real ecotoxicity.
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– Fungal enzymatic systems, either involved in pollutant transformation or not,

behave as potent biomarkers for ecotoxicological assessment.

– It remains necessary to develop additional research to understand the biochemi-

cal mechanisms responsible of fungal biological responses.

– That knowledge allowed considering profiles of protein expression as biomarkers

of soil ecotoxicity.

More research remains necessary to identify the most relevant protein profiles

produced by fungi exposed to soil pollutants. It is also essential to understand all the

mechanisms governing protein expression in polluted soils, as well as the selectiv-

ity and sensitivity of the responses. Proteomics and transcriptomics are actual

approaches to study these topics. It is also fundamental to study the role of the

soil physics properties in the enzymatic reactions measured in situ in order to allow

the coupling between physical and biological processes in soils. That will make it

possible, through a mechanistic modeling, the generalization of the results and the

scale transfer for the use of the enzymes as biomarkers of soil ecotoxicity in the

environmental diagnosis.
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Chapter 19

Bioremediation and Genetically

Modified Organisms

Morad Jafari, Younes Rezaee Danesh, Ebrahim Mohammadi Goltapeh,

and Ajit Varma

19.1 Introduction: Biotechnology: A Forceful Path

for Bioremediation

The resultant accumulations of the various organic chemicals in the environment,

particularly in soil, are of significant concern because of their toxicity, including their

carcinogenicity, and also because of their potential to bioaccumulate in living systems.

A wide variety of nitrogen-containing industrial chemicals are produced for use in

petroleum products, dyes, polymers, pesticides, explosives, and pharmaceuticals.

Many of these chemicals are toxic and threaten human health and are classified as

hazardous by the various world organizations related to environment protection such

as United States Environmental Protection Agency. The conventional remediation

technologies (other than bioremediation) used for in situ and ex situ remediation are

typically expensive and destructive. Biotechnological processes for the bioremedia-

tion of chemical pollutants offer the possibility of in situ treatments and are mostly

based on the natural activities of microorganisms. Biotechnological processes to

destroy hazardous wastes offer many advantages over physicochemical processes.
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When successfully operated, biotechnological processes may achieve complete

destruction of organic wastes (Iwamoto and Nasu 2001).

Interest in bioremediation of polluted soil and water has increased in the last two

decades primarily because it was recognized that organisms such as microbes were

able to degrade toxic xenobiotic compounds which were earlier believed to be

resistant to the natural biological processes occurring in the soil. Microbial activity

in soils accounts for most of the degradation of organic contaminants. However,

information about chemical and physical mechanisms can also useful to identification

of significant transformation pathways for these compounds (Singh et al. 2009).

Biotechnology has the potential to play an immense role in the development of

treatment processes for contaminated soil. As with any microbial process, optimizing

the environmental conditions in bioremediation processes is a central goal in order

that the microbial, physiological, and biochemical activities are directed toward

biodegradation of the target contaminants. However, an important factor limiting

the bioremediation of sites contaminated with certain hazardous compounds is the

slow rate of degradation (Iwamoto and Nasu 2001). This slow degradation rate often

limits the practicality of using microorganisms in remediating contaminated sites.

This is an area where genetic engineering can make a marked improvement.

Recombinant DNA techniques have been studied intensively to improve the

degradation of hazardous wastes under laboratory conditions. With advances in

biotechnology, bioremediation has become a rapidly growing area and has been

commercially applied for the treatment of hazardous wastes and contaminated sites

(Dua et al. 2002). A center and a database have been established on biocatalysis and

biodegradation (http://umbbd.ahc.umn.edu).

19.2 Genetic Engineering of Organisms for Bioremediation

Organisms can be supplemented with additional genetic properties for the bio-

degradation of specific pollutants if naturally occurring organisms are not able to

do that job properly or not quickly enough. The combination of microbiological

and ecological knowledge, biochemical mechanisms, combining different

metabolic abilities of organisms, and manipulation of pivotal genetic factors

influence in biodegradation and bioprocessing of mankind pollutions, bottlenecks

in environmental cleanup may be circumvented. Using genetic engineering

techniques for development of a new organism with beneficial properties

applicable in bioremediation can be classified into two main categories that are

separately discussed as follow:
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19.2.1 Genetic Engineering of Microorganisms

The key players in bioremediation are microorganisms that live virtually every-

where. They are ideally suited to the task of contaminant destruction, because they

possess enzymes that allow them to use as environmental contaminants as food,

and because they are so small that they are able to contact contaminants easily.

Genetically engineered microorganisms (GEMs) have shown potential in

applications for bioremediation in soil, groundwater, and activated sludge

environments, due to the enhanced degradative capabilities of a wide range of

contaminants (Menn et al. 2008). Recent advances in molecular biology have

opened up new perspectives to progress in engineering microorganisms with the

aim of performing specific bioremediation.

19.2.1.1 Bacterial Engineering for Bioremediation Purposes

Bacteria possess a high potential force for degradation of environmental pollu-

tants. Microorganisms that can degrade various pollutants (e.g., nitroaromatics,

chloroaromatics, polycyclic aromatics, biphenyls, polychlorinated biphenyls (PCBs),

and components of oil have been isolated with the eventual goal of exploiting their

metabolic potential for the bioremediation of contaminated sites (Samanta et al. 2002;

Parales and Haddock 2004). However, some of the more recalcitrant and toxic xenobi-

otic compounds, such as highly nitrated and halogenated aromatic compounds, as well

as some pesticides and explosives, are usually stable, chemically inert under natural

conditions, and not known to be degraded efficiently by many microorganisms (Parrilli

et al. 2010). Also, the toxicity of some of these organic pollutants to the existing

microbial populations, coupled with complications caused by mixtures of pollutants,

is a major hindrance to successful biodegradation by microbes. These limitations to

bioremediation have paved the way for the development of GEMs or “designer

biocatalysts” that contain artificially designed catabolic pathways (Paul et al. 2005).

There are several strategies to enhance capability of bacteria for efficient

biodegradation that we described briefly some of these below:

Optimizing Biocatalysts

The construction of an optimized “biocatalyst” requires a bank of genetic modules

that encode desired properties that can be combined to generate novel, improved, and

efficient degradation activities. So far, several microorganisms have been modified to

make them potent biocatalysts. With the aim of treating a site contaminated with

various polychlorinated biphenyls, for example, genetic engineering has been used to

alter the substrate specificity of a biphenyl dioxygenase enzyme involved in PCB

degradation in Pseudomonas sp. LB400 and Pseudomonas alcaligenes KF707
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(Kimura et al. 1997). Variants of the enzyme “biphenyl dioxygenase” were created

by combining the substrate range of the enzyme obtained from both of these

organisms, so that the variants could hydroxylate both double ortho- and double

para-substituted PCBs. One strategy for designing superior biocatalysts is the

rational combination of catabolic segments from different organisms within one

recipient strain. Thereby, complete metabolic routes for xenobiotics, which are

only co-metabolized, can be generated and the formation of dead-end products or

even toxic metabolites can be avoided. This strategy has been applied successfully for

the degradation of highly toxic trihalopropanes, for which mineralization has not yet

been described (Bosma et al. 1999).

Protein Engineering

Protein engineering can be exploited to improve an enzyme’s stability, substrate

specificity and kinetic properties. Rational design of proteins performed by site-

directed mutagenesis requires an understanding of structure–function relationships

in the molecule and therefore a detailed knowledge of the three-dimensional

structure of the enzyme itself (Schanstra et al. 1996), or of at least one member of

the protein family, to allow the structure of the protein under study to be modeled.

However, the number of degradative enzymes whose structure has been elucidated is

still small, and this constitutes a major limitation for rational protein design. Where

phenotypic selection of desired variants is possible, rare spontaneous or induced

mutants may be readily obtained; where phenotypic selection of variants is not

possible, other, more-efficient approaches are needed (Timmis and Pieper 1999).

One approach to combining the best attributes of related enzymes is to exchange

subunits or subunit sequences. For example, enzyme variants with superior trichlo-

roethylene (TCE)-transformation kinetics were obtained by exchanging subunits

between the multicomponent toluene and biphenyl dioxygenases (Furukawa et al.

1994). Further experiments to exchange domains of the subunits of biphenyl or

(chloro) benzene dioxygenases exhibiting different substrate specificities resulted

in chimeric enzymes with broader substrate specificities than the parental enzymes

40–43. A recombinant E. coli strain was genetically engineered to coproduce OPH

and carboxylesterase B1 for the simultaneous degradation of organophosphorus,

carbamate, and pyrethroid classes of pesticides (Lan et al. 2006). However, E. coli

strains are not suitable for in situ remediation since they are not adapted to these

environments. A more realistic approach is to engineer soil bacteria that are known

to survive in contaminated environments for an extended period. A new study for

expanding the substrate range of enzymes recently was reported by Yang et al.

(2010). In this research, Stenotrophomonas sp. strain YC-1, a native soil bacterium
was genetically engineered to produce organophosphorus hydrolase (OPH) enzyme

with broader substrate range for organophosphates (OPs). A mixture of six

Synthetic organophosphate pesticides could be degraded completely within 5 h.

The broader substrate specificity in combination with the rapid degradation rate

436 M. Jafari et al.



makes this engineered strain a promising candidate for in situ remediation of

OP-contaminated sites. A recently developed and powerful alternative method for

obtaining proteins with new activities involves shuffling their gene sequences

(Crameri et al. 1997; Harayama 1998). By random shuffling of DNA segments

between the large subunit of two wild-type biphenyl dioxygenases, variants were

obtained with extended substrate range of biphenyl dioxygenases toward PCBs

(Kumamaru et al. 1998; Bruhlmann and Chen 1999). DNA-shuffling methods

(i.e., the random fragmentation of a population of mutant genes of a certain family

followed by random reassembly) have been developed, which allow the creation of

a vast range of chimeric proteins and protein variants for biodegradation

applications (Pieper and Reineke 2000).

Biosurfactants Production for Bioavailability of Xenobiotics

One of the main reasons for the prolonged persistence of hydrophobic organic

compounds in the environment is their solubilization-limited bioavailability.

Surfactants can improve the accessibility of these substrates to microbial attack.

Almost all the industrially produced surfactants are chemically derived from petro-

leum and require both synthesis and several purification steps, rendering the process

costly and liable for contamination with unknown hazards (Sitohy et al. 2010).

A possibleway to enhance bioavailability of xenobiotics (pesticides, pharmaceuticals,

petroleum compounds, polycyclic aromatic hydrocarbons, PCBs etc.) and, thereby,

their biodegradation is the application of “biosurfactants” (natural surfactants of

microbial origin). These molecules consist of both a hydrophilic and hydrophobic

(Pieper and Reineke 2000) and the high surface activity, heat and pH stability, low

toxicity, ecological acceptability, and biodegradability of them constitute important

advantages over synthetic surfactants (Timmis and Pieper 1999). So, they may be

recommended to replace the presently used chemically synthesized. Despite the fact

that application of biosurfactants has been shown potentially to increase the degrada-

tion rate of hydrophobic pollutants, the high cost of biosurfactant production restricts

their application. Current efforts are therefore directed toward the design of recombi-

nant biocatalysts that exhibit a desired catabolic trait and produce a suitable

biosurfactant (Sullivan 1998). Also, the combination of surfactant production with

degradative capabilities in a “single bacterial strain” will offer advances for in situ

bioremediation, but further insights into the genetic organization and regulation of

surfactant production are needed (Gallardo et al. 1997). For example, to improve the

biodesulfurization process, Gallardo et al. (1997) designed a recombinant biocatalyst

that combines the Dsz phenotype with potential interest for the production of

biosurfactants. They developed a recombinant bacterium Pseudomonas aeruginosa
PG201 that were able to desulfurize dibenzothiophenemore efficiently than the native

host. These new biocatalysts combine relevant industrial and environmental traits,

such as production of biosurfactants, with the enhanced biodesulfurization phenotype.
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Completing Pathways for Fully Degradation of a Substrate

In some cases, although a complete pathway for a particular substrate may not exist in

a single organism, partial and complementary pathway segmentsmay exist in different

organisms. The development of an organism exhibiting a desired catabolic phenotype

may therefore require the combination of determinants for complementary pathway

segments in order to form a complete pathway sequence for a target substrate (Timmis

and Pieper 1999). Complete metabolic pathways may be needed due to: First,

co-metabolic processes need an input of energy and therefore represent a metabolic

burden for the microorganism. Second, the end metabolites produced by incomplete

pathways may be toxic or subject to further transformations by other microorganisms,

forming reactive or toxic molecules. One example of this is found in PCBs meta-

bolism, in which microorganisms usually metabolize only one aromatic ring and

accumulate the others as the corresponding chlorobenzoates, which have been

shown to be inhibitory (Stratford et al. 1996).

19.2.1.2 Genetically Engineered Fungi for Mycoremediation

Recent advances in molecular biology, biotechnology, and enzymology are the

driving forces toward engineer-improved fungi and enzymes for mycoremediation.

The ease of genetic engineering, transportation, and scaling-up makes fungi the

organisms of choice in bioremediation (Obire et al. 2008). A number of the genetic

engineering approaches that have been developed have proven beneficial in adding

the desired qualities in metabolic pathways or enzymes. Strain manipulation is

becoming easier with the exponential expansion of molecular tool boxes and

genome sequences. However, the best source is that of the genes of fungi, where

mycotransformation is well understood. Specific gene alterations can be designed

and controlled via metabolic engineering. Metabolic control is shared by enzymes

(i.e., enzymes are democratic). Mathematical modeling of metabolic control analy-

sis can be used to make predictions as to how metabolic pathways will respond

to manipulation. Fungal genes can be cloned to meet the objectives of

mycoremediation. Fungal mutants that oversecrete specific enzymes can be pro-

duced, and various processes using such mutants may be designed and scaled up in

the treatment of wastes and wastewaters. Fungal protoplasts can be exploited to

enhance processes related to mycoremediation. At present, efforts to increase flux

through specific pathways have met with limited success. Potentially, the future of

metabolic engineering is bright, but there is still a long way to go to understand this

area of the metabolic network before the introduction of bioengineered yeast or

fungi in the field of mycoremediation. Recent advances in biotechnology can open

the door for the development of genes responsible for the mineralization of PCBs

by fungi. Genes encoding Lignin peroxidase in 30 fungal species have been

screened that may open new frontiers for the degradation of PCBs. A dendrogram

illustrating a sequence relationship among 32 fungal peroxidases has been

presented. A great future lies in successful genetic splicing and bringing together
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pathway fragments with a view to constructing an entirely new white-rot fungus

that can utilize PCBs as the sole source of carbon (Harbhajan 2006). The first

complete eukaryotic genome belongs to the yeast Saccharomyces cerevisiae (Dujon
1996). The genome sequence has laid a strong foundation for work in the

disciplines of agriculture, industry, medicine, and remediation. In a paper for fungal

comparative genomics, the Fungal Genome Initiative (FGI) Steering Committee

identified a coherent set of 44 fungi as immediate targets for sequencing (Birren

et al. 2003). Several projects have released information on the genome sequences of

the yeasts Schizosaccharomyces pombe and Candida albicans and the filamentous

fungi Aspergillus nidulans, Aspergillus fumigatus, Neurospora crassa, and

Coprinus cinereus. The 13.8 million base pair genome of S. pombe consists of

4,940 protein coding genes, including mitochondrial genome and genes (Wood

et al. 2002). Ten thousand genes are predicted in the 40-Mb genome in the sequence

of the first filamentous fungus, N. crassa (Galagan et al. 2003). The 30 million base

pair genome of the first basidiomycete, Phanerochaete chrysosporium strain RP78,

has been sequenced using a whole-genome shotgun approach (Martinez et al.

2006). The genome reveals genes encoding oxidases, peroxidases, and hydrolytic

enzymes involved in wood decay. This opens up new horizons related to the

process of biodegradation of lignin and organopullutants and in the area of

mycoremediation. Recently, yeast has been engineered with a binding affinity to

cellulose (Nam et al. 2002). Genes encoding the cellulose binding domain (CBD)

from cellobiohydrolase I (CBHI) and cellobiohydrolase II (CBHII) of Trichoderma
reesei have been expressed on the cell surface of Saccharomyces cerevisiae.

Unlike bacteria, the role of biotechnological innovations related to biodegrada-

tion by fungi is relatively less well understood. Moreover, bacteria and fungi exhibit

different mechanisms in the biodegradation of pollutants such as pesticides. Signif-

icant progress has been achieved in molecular biology related to fungi, especially

related to the extraction of genetic material (RNA and DNA), gene cloning, and

genetic engineering of fungi. The development of biotechnology for using white rot

fungi for environmental pollution control has been implemented to treat various

refractory wastes and to remediate contaminated soils (Gao et al. 2010).

19.2.1.3 Genetic Engineering of Plants for Phytoremediation

When microorganisms are used for remediation of xenobiotics, both inoculation of

microorganisms and nutrient application are essential for their maintenance at

adequate levels over long periods (Eapen et al. 2007). Besides, the microbes

which show highly efficient biodegradation capabilities under laboratory conditions

may not perform equally well at actual contaminated sites (Macek et al. 2008).

However, there are two main problems with the introduction of transgenic

microorganisms: the bureaucratic barriers blocking their release into the environ-

ment and the poor survival rate of those engineered strains that have been

introduced into the contaminated soil (Suresh and Ravishankar 2004; Abhilash

et al. 2009). In comparison, phytoremediation is easier to manage, because it is
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an autotrophic system of large biomass that requires little nutrient input. Moreover,

plants offer protection against water and wind erosion, preventing contaminants

from spreading; also they are robust in growth, are a renewable resource and can be

used for in situ remediation. So, phytoremediation for removal of xenobiotics can

be an alternate/supplementary method (Suresh and Ravishankar 2004; Abhilash

et al. 2009).

Although much research has been done to demonstrate the success of phytore-

mediation, resulting in its use on many contaminated sites (Abhilash et al. 2009), the

method still lacks wide application. Further, detoxification of organic pollutants by

plants is often slow, leading to the accumulation of toxic compounds in plants that

could be later released into the environment (Aken 2008). The question of how to

dispose of plants that accumulate organic pollutants is also a serious concern. A direct

method for enhancing the effectiveness of phytoremediation is to overexpress in

transgenic plants the genes involved in metabolism, uptake, or transport of specific

pollutants (Cherian and Oliveira 2005; Doty 2008; Aken 2008; Macek et al. 2008).

Besides, being autotrophic organisms, plants do not actually use organic compounds

for their energy and carbon metabolism. As a consequence, they usually lack the

catabolic enzymes necessary to achieve full mineralization of organic molecules,

potentially resulting in the accumulation of toxicmetabolites, and they lack xenobiotic

degradative capabilities of bacteria. Hence, introduction of genes for degradation of

xenobiotics frommicrobes or other eukaryotes such as mammals, where the potential

already exist to plants will further enhance their ability to degrade/mineralize the

recalcitrant contaminants (Eapen et al. 2007).

Genes involved in degradation of xenobiotic pollutants can be isolated frombacteria/

fungi/animals/plants and introduced into candidate plants using Agrobacterium
mediated or direct DNA methods of gene transfer. Transgenic plants for phytore-

mediation were first developed for remediating heavy metal contaminated soil sites

(Misra and Gedamu 1989; Rugh et al. 1996). The first attempt to develop engineered

plants for phytoremediation of organic pollutants targeted explosives and halogenated

organic compounds in tobacco plants (Doty et al. 2000). These plants have been

developed to contain either transgenes responsible for themetabolization of xenobiotics

or transgenes that result in the increased resistance of pollutants (Abhilash et al. 2009).

Phytoremediation is a broad term that comprises several techniques used for

water and soil decontamination. Thus, we will focus on some main applications of

transgenic plants for phytoremediation.

Transgenic Plants for Remediation of Toxic Explosives

Best known for their explosives properties, nitro-substituted compounds, such as

2,4,6-trinitrotoluene (TNT), hexahydro-1,3,5-trinitro-1,3,5-triazine (RDX), and

glycerol trinitrate (GTN), are also toxic and persistent environmental pollutants

contaminating numerous military sites. Manufacture of explosives, testing and

firing on military ranges, and decommission of ammunition stocks have generated

440 M. Jafari et al.



toxic wastes, leading to large-scale contamination of soils and groundwater. From

laboratory studies, most nitro-substituted explosives were found to be toxic for all

classes of organisms, including bacteria, algae, plants, invertebrates, and mammals

(Talmage et al. 1999). Traditional remediation of explosive-contaminated sites

requires soil excavation before treatment by incineration or land-filling, which is

costly, damaging for the environment, and, in many cases, practically infeasible

owing to the range of contamination (Hannink et al. 2002).

Although the microbial catabolic pathways leading to the complete minerali-

zation of explosives are yet to be revealed, it is generally accepted that these

compounds can be transformed into various intermediates in wide range of

microorganisms by various enzymes (Ramos et al. 2005).

Despite promising observations about ability of plants for metabolization of

explosive pollutants, the application, however, may be limited by the fact that the

indigenous biodegradability of plants is less effective than those of adapted

microorganisms. As explosives are phytotoxic, phytoremediation of these pollutants

is very difficult. This limitation might be overcome by incorporating bacterial

nitroreductase genes into the plant genomes (French et al. 1999; Rosser et al. 2001).

French et al. (1999) introduced pentaerythritol tetranitrate (PETNr) (a monomeric

flavin mononucleotide (FMN)-containing protein) reductase into Nicotiana tabacum,
resulting in increased tolerance TNT. Furthermore, tobacco plants expressing PETNr

were able to germinate and grow naturally on solid media containing 1 mM GTN, a

concentration that would be lethal to non-transgenic plants. The catabolic finger-

printing in TNT degrading bacterium Enterobacter cloacae reveals that this step

was shown to be catalyzed by an FMN containing nitroreductase enzyme (NR).

This NR enzyme can transform TNT significantly faster than PETNr, and when

expressed in transgenic plants, NR also confers greater tolerance to TNT than

PETNr (Hannink et al. 2001; Rylott and Bruce 2009). The overexpression of

this NR gene in transgenic tobacco resulted in the enhanced tolerance to TNT

contamination.

Recently, Van Dillewijn et al. (2008) developed a transgenic aspen incorporated

with a nitroreductase, pseudomonas nitroreductase A (pnrA), isolated from the

bacterium Pseudomonas putida for the enhanced degradation of TNT. When

compared with the non-transgenic plants, the transgenic trees were able to take up

higher levels of TNT from liquid culture and soil. Latest studies revealed that

overexpression of two of the uridine diphosphate (UDP) glycosyltrasferases (UGTs)

(743B4 and 73C1 isolated from Arabidopsis thaliana) genes in Arabidopsis

thaliana resulted in increased conjugate production and enhanced root growth

in 74B4 overexpression seedlings grown in liquid culture containing TNT (Gandia-

Herrero et al. 2008).

Besides TNT, plants were also transformed for improving performances against

RDX, which is today the most widely used military explosive. A. thaliana plants were
engineered to express a bacterial gene, XplA, encoding a RDX-degrading fused

flavodoxin-cytochrome P450-like enzyme (Rylott et al. 2006). The donor strain,

Rhodococcus rhodochrous strain 11Y, originally isolated from RDX-contaminated

soil (Seth-Smith et al. 2002). Liquid cultures of A. thaliana expressing XplA removed

32–100 % of RDX (initial concentration 180 mM), while less than 10 % was removed
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by wild-type plants. Some selected examples of transgenic plants developed for

degradation of xenobiotics pollutants are listed in Table 19.1.

Transgenic Plants for Remediation of Heavy Metal

Actually, heavy metal (nonradioactive As, Cd, Co, Cu, Ni, Zn, and Cr and radioac-

tive Sr, Cs, and U) pollution has become one of the most serious environmental

problems today (Alkorta et al. 2004). For instance, arsenic, a nonessential metal-

loid, is an environmental pollutant of prime concern which is causing a global

epidemic of poisoning, with tens of thousands of people having developed skin

lesions, cancers, and other symptoms (Pearce 2003; Alkorta et al. 2004).

Although many studies have been carried out to investigate the possibility of

using microorganisms to aid in the remediation of metal polluted environments,

microorganisms do not solve the critical problem of the removal of metals from the

polluted soil. As a matter of fact, bacteria can only transform metals from one

oxidation state or organic complex to another but not extract them from the polluted

soil (Garbisu et al. 2002). Fortunately, the possibility of using plants that can

literally extract the metals from the polluted soil was raised. From accumulating

high levels of metal and translocating it to the harvestable segments of the plant,

a plant suitable for phytoextraction should grow rapidly and reach a high biomass.

Over 400 hyperaccumulator plants have been reported and includemembers of the

Asteraceae, Brassicaceae, Caryophyllaceae, Cyperaceae, Cunouniaceae, Fabaceae,

Flacourtiaceae, Lamiaceae, Poaceae, Violaceae, and Euphobiaceae. The Brassicaceae

is a very important hyperaccumulator group (Baker and Brooks 1989). The impor-

tance of improvement of metal uptake by breeding or genetic modification can be

illustrated by the fact that more important and interesting reviews on engineering of

GM plants suitable for metal accumulation appeared simultaneously (Clemens et al.

2002). Several metal homeostasis genes are constitutively expressed at very high

levels in metal hyperaccumulators, when compared with closely related non-

accumulators. In Arabidopsis halleri, these include genes encoding several

membrane transporter proteins of the ZRT-IRT-related protein (ZIP) family (zinc-

regulated transporter, iron-regulated transporter) (Guerinot 2000), which are likely to

mediate zinc influx into the cytoplasm and two isoforms of the enzyme nicotianamine

synthase. These genes are expressed at low levels or only upregulated under

conditions of zinc deficiency in A. thaliana. Other genes found to be constitutively

expressed at high levels in the hyperaccumulator species A. halleri encode membrane

transport proteins of the heavy metal P-type ATPase (HMA) family of P1B-type

metal ATPases, which are potentially involved in metal export into the apoplast for

metal detoxification or for root-to-shoot metal translocation in the xylem (Kramer

2005).

Plants have a family of metallothionein (MTs) genes encoding cysteine-rich

peptides that are generally composed of 60–80 amino acids and contain 9–16

cysteine residues (Chatthai et al. 1997). MTs can protect plants from effects of

toxic metal ions such as Ag, Cd, Co, Cu, Hg, and Ni. Metallothionein genes have
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been cloned and introduced into several plant species. Transfer of human MT-2

gene in tobacco or oil seed rape resulted in plants with enhanced Cd tolerance

(Misra and Gedamu 1989) and pea MT gene in Arabidopsis thaliana enhanced Cu

accumulation (Evans et al. 1992). The choice of promoter used was found to be of

great importance for metallothionein genes. The ribulose biphosphate carboxylase

(rbcs) promoter was repressed by high Cd concentration while mannose synthase

promoter was induced by Cd (Stefanov et al. 1997).

Phytochelatins are another group of metal binding proteins and are involved in

heavy metal sequestration that are non-translationally synthesized from reduced

glutathione. Phytochelatins complex with metals and help in storage in vacuoles

(Cobbett 2000). Genetic engineering of plants for synthesis of metal chelators will

improve the capability of plant for metal uptake (Pilon-Smits and Pilon 2002;

Clemens et al. 2002). Transgenic B. juncea overexpressing different enzymes

involved in phytochelatin synthesis were shown to extract more Cd, Cr, Cu, Pb,

and Zn than wild plants (Zhu et al. 1999a,b) Transgenics engineered to have higher

levels of metal chelators showed enhanced cadmium and zinc accumulation in

greenhouse experiments using polluted soil (Bennett et al. 2003). Also, transgenic

plants engineered to have enhanced sulfate/selenate reduction showed fivefold

higher selenium accumulation in the field (Banuelos et al. 2005). The constitutive

overexpression of phytochelatin synthase of Triticum aestivum (TaPCS1) in shrub

Nicotiana glaucum substantially increased its tolerance to Pb2+ and Cd2+ and

greatly improved accumulation of Cu2+, Zn2+, Pb2+ and Cd2+ in shoots (Gisbert

et al. 2003; Martinez et al. 2006). The overexpressed gene conferred up to 36 and 9

times more Pb2+ and Cd2+ accumulation, respectively, in shoots of the transgenic

line NgTP1 under hydroponic conditions, reflected in the increased accumulation of

these metals from mining soil. Hsieh et al. (2009) reported an increase in mercury

(Hg) accumulation and tolerance of A. thaliana when mercuric ion binding protein

(MerP), originated from transposon TnMERI1 of transposon TnMERI1 Bacillus
megaterium strain MB1, was expressed in the transgenic plants. Table 19.1 shows

instance of genes, which have been used for the development of transgenic plants

for phytoremediation of toxic metals.

Transgenic Plants for Enhanced Remediation of Herbicides

Herbicides are economically important, because they prevent losses in crop yield

due to weed infestation (Kawahigashi et al. 2008). However, the overuse and

repeated use of same herbicide can lead to the development of herbicide resistant

weeds. According to the Weed Science Society of America, over 310 biotypes of

herbicide resistant weeds have been reported in agricultural fields and gardens

worldwide. As a result of these herbicide tolerance, larger amount of herbicides

are needed to kill these weeds, so that residues contaminate the soil and nearby

water bodies. Plants used for decontamination of these contaminated system should

be resistant to herbicides.
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Among the various enzymatic groups, cytochrome P450 plays a major role in the

enhanced degradation of herbicides. Cytochrome P450 enzymes comprise a super-

family of heme proteins crucial for the oxidative, peroxidative, and reductive

metabolism of a diverse group of compounds, including endobiotics, such as

steroids, bile acids, fatty acids, prostaglandins, and leukotrienes, and xenobiotics,

including most of the therapeutic drugs and environmental pollutants (Abhilash

et al. 2009). In almost all living organisms, these enzymes are present in more than

one form, thus forming one of the largest families of enzymes. The enzyme system

is located in microsomes and consists of several cytochrome P450 isoforms.

Although cytochrome P450 (P450 or CYP) monooxygenases in higher plants play

an important role in the oxidative metabolism of endogenous and exogenous

liphophilic compounds (Eapen et al. 2007; Doty 2008), molecular information on

P450 species metabolizing xenobiotics in plants is quite limited.

Humans have been estimated to have at least 53 different CYP genes and 24

pseudogenes. So far, it has been reported that 11 P450 species (Abhilash et al. 2009).

A study of 11 human P450s in the CYP1, 2, and 3 families using a recombinant yeast

expressing system showed that they can metabolize 27 herbicides and 4 insecticides

(Inui and Ohkawa 2005). Further, another study conducted by same research group

found that human CYP1A1 metabolized 16 herbicides, including triazines, ureas, and

carbamates, and CYP2B6 metabolized more than 10 herbicides, including chloroace-

tanilides, oxyacetamides, and 2,6-dinitroanilines, three insecticides, and two indus-

trial chemicals. In recent years, some crop plants were also genetically engineered

with mammalian P450 cytochrome genes to confer herbicide resistance. Rice is a

good candidate for metabolizing herbicides and reducing the load of herbicides in

paddy fields and streams. The expression of mammalian cytochrome P450 genes in

transgenic potatoes and rice plants has been used to detoxify herbicides (Inui and

Ohkawa 2005). Several cytochrome P450 genes such as CYP1A1, CYP2B6 and

CYP2C19, when introduced into rice plants, showed tolerance to herbicide atrazine,

metolachlor, and norfluazon and could decrease the amount of herbicides, owing to

increased metabolism by the introduced P450 enzymes (Kawahigashi et al. 2005).

As with P450s, overexpression of glutathione S-transferases (GST) genes

enhances the potential for phytoremediation of herbicides. Glutathione-S-transferases

catalyze nucleophilic attack of the sulfur atom of glutathione on electrophilic group of

a variety of hydrophobic substrates, which include herbicides such as chloroace-

tanilides and triazine. Transgenic tobacco plants overexpressing maize GST was

shown to remediate chloroacetanilide herbicide—alachlor (Karavangeli et al. 2005).

In addition to the approaches involving P450 and GST genes, various transgenic

plants that exhibit herbicide tolerance can be used for phytoremediation. Transgenic

alfalfa, tobacco, and Arabidopsis plants expressing a bacterial atrazine

chlorohydrolase (atzA) gene show enhanced metabolic activity against atrazine—a

widely used herbicide (Wang et al. 2005). Transgenic tobacco plants expressing the

Mn peroxidase gene from Coriolus versicolor reduced pentachlorophenol (PCP) in

the culture media with high efficiency (Iimura et al. 2002). Some selected transgenic

plants developed to bioremediation of herbicides are given in Table 19.1.
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19.2.2 A Glance on Anticipated Risks of Genetically
Modified Organisms

First, it should be noted that from the biosafety viewpoint, not all naturally occur-

ring soil bacteria are ideal as bioremediation agents. For example, Burkholderia
cepacia has potential as an agent for bioremediation and for biological control of

phytopathogens. However, it is a human pathogen known to be involved in cystic

fibrosis and it is resistant to multiple antibiotics (Holmes et al. 1998). This has led to

rejection by the US Environmental Protection Agency (EPA) of its use as an

environmental agent (Davison 2005). For transgenic modified microorganisms,

many authorities are particularly reluctant to authorize the release of them (Sayler

and Sayre 1995). The transgene is usually derived from another soil microorganism,

thus no new gene is added to the soil microbial community. It is also very probable

that the introduced engineered strain will not survive for long in the soil environ-

ment; at least not long after its specific substrate is exhausted. However, several

cutting-edged strategies have developed for mitigation of probably risks of geneti-

cally modified organisms (for details please see Davison 2005; Pandey et al. 2005)

to achieve efficient and safer bioremediation of contaminated sites.

A great deal has been written about the potential and imagined risks of transgenic

plants for agricultural use (Davison 2005; Singh et al. 2006) and much, but not all,

of it applies to transgenic plants for use for phytoremediation. It seems unlikely, at

least in the short term, that transgenic phytoremediation plants will contain herbi-

cide resistance, insect resistance, and virus resistance genes, which have been major

subjects of biosafety discussions. In addition, phytoremediation plants will not be

intended as human or animal foods, so that food safety, allergenicity, and labeling

are not relevant issues and the degraded products should be less dangerous com-

pared to the parent pollutant. Finally, on a more optimistic note, phytoremediation is

generally seen as posing fewer biosafety concerns. However, the methods for

mitigation of the potential risks of transgenic phytoremediating plants have been

described by several research papers (for more details see Davison 2005; Gressel

and Al-Ahmad 2005; Kotrba et al. 2009).

19.3 Conclusion and Future Perspectives

Among the top ten biotechnologies for improving human health, bioremediation is

recognized as one of the technologies (Eapen et al. 2007). The application of

molecular-biology-based techniques in bioremediation is being increasingly used

and has provided useful information for improving of bioremediation strategies.

Furthermore, environmental metagenomic data from soil and sea can be a useful

source of genes. Combinational approaches such as genome shuffling are also

useful for generating new genes or modifying enzyme activities to allow efficient
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bioremediation (Kawahigashi 2009). This new biotechnology approach will open

exciting new vistas for enhancing bioremediation programs in the coming years.

Whereas bioremediation using transgenic bacteria seems presently to be in the

doldrums, phytoremediation using transgenic plants could offer some new answers to

environmental cleanup of toxic wastes. New genetic method risk-mitigation may help

ensure that neither the transgenic plants, nor the transgenes they contain, will escape

into the environment (Davison 2005). The potential of engineered phytoremediation

plants should be demonstrated in field trials, some of which have emerged in the last

few years. The ecological impact and underlying economics of phytoremediation

with transgenics should be carefully evaluated and weighted against known

disadvantages of conventional remediation techniques or risks of having the recalci-

trant heavy metal or metalloid species in our environment (Kotrba et al. 2009).

In addition, the combination of plants for removing or degrading toxic pollutants

and rhizospheric microorganisms for enhancing the availability of hydrophobic

compounds can break down many types of toxic foreign chemicals, including

herbicides. In view of the importance of mycorrhizal (macro) fungi in plant growth

and particularly in the mobilization and cycling of elements in the soil, the coloni-

zation of contaminated soils with the suitable fungal species would be beneficial to

promote bioavailability of the environmental pollutants. Gadd (2007) further

demonstrated suitability of genetic engineering approach in constructing fungi

with improved metalloresistance.
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Chapter 20

Molecular Techniques in Fungal Bioremediation

Morad Jafari, Younes Rezaee Danesh, and Yubert Ghoosta

20.1 Introduction

Analytical chemical measurements do not provide direct information regarding the

biological effects of toxic compounds and also about the concentrations available

for microbial biodegradation.

Biological analyses based upon biochemical and molecular genetics methods

should come into play and form a valuable extension and addition to chemical

analytics in the assessment of polluted sites (Power et al. 1998). The needs for

timely treatment of contaminated sites could be evaluated, and the remaining

toxicological risks after treatment established. Similarly, genetic and biochemical

techniques can contribute greatly to our knowledge about the potential activity of

the microorganisms at polluted sites. The application of molecular biological

techniques to detect and identify microorganisms by certain molecular markers

has been more frequently used in microbial ecological studies (Iwamoto and

Nasu 2001). Advances in molecular biology led to the development of culture-

independent approaches for describing bacterial communities without bias, i.e., the

selectivity and unrepresentativity of the total community due to cultivation

(Ranjard et al. 2001). Here, we describe high-throughput molecular methods that

can be utilized for characterization of fungal community dynamics in polluted

environmental sites that a simplified scheme of them is shown in Fig. 20.1.
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20.2 Molecular Techniques in Fungi Bioremediation

20.2.1 The Polymerase Chain Reaction

Recently, molecular strategies for the detection of fate and diversity of fungi in soils

have been developed. These methods can identify fungi on a species level and are

based on the use of variable internally transcribed spacer regions. A polymerase

chain reaction (PCR) has been used to amplify rDNA sequences selectively to

determine the total fungal diversity and taxonomy using universal primers (White

Fig. 20.1 Graphical representation of high-throughput molecular techniques used in characteri-

zation of fungi population dynamics for developing efficient bioremediation strategies
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et al. 1990). Specific primers can be designed to amplify and analyze fungal DNA

from cultures. Table 20.1 shows available common primers for using in PCR-based

molecular methods for the detection of degradative fungi in various media. The

PCR essentially enables the detection of a particular DNA fragment, and thus a

particular organism or group, from within a more complex mixture by enzymati-

cally amplifying it (Steffan and Atlas 1991). The PCR is so sensitive that detection

of as few as ten copies of a specific DNA fragment present within a complex

mixture of DNA is possible. Since DNA can be isolated from practically every

environment microorganisms can be detected by the PCR from virtually every-

where. Examples of the broad applicability of the PCR include most probable

number (MPN)-PCR (Sykes et al. 1992) and competitive PCR (Siebert and Larrick

1992), which have been used to attempt quantification of target DNAs within

environmental samples.

The PCR has also been used to detect groups of related genes, related

microorganisms, from either a functional or a taxonomic perspective depending

on the target genes. In this instance, primers, which hybridize to conserved DNA,

are used to amplify a particular gene fragment. For example, the use of conserved

sites within the 18S rDNA or 28S rDNA as priming sites for the PCR is now very

well established for amplification of ribosomal gene fragments (Amann et al. 1995).

Subsequent DNA sequencing of these fragments gives information on many of the

diversity of microorganisms from that particular environment. Similarly, these

methods can be applied for conserved genes encoding pollutant degradative

pathways. However, the PCR also has its limitations (For instance, inhibition

DNA polymerase by humic acids in environmental samples and difficult quantifi-

cation using PCR because of the nonlinearity of the amplification process) that must

be taken into consideration (Siebert and Larrick 1992).

Table 20.1 The gene-specific primers that are commonly used for fingerprinting studies of fungal

community dynamics in environmental samples

Primer name Primer sequence (50 ! 30) Reference

2234Ca GTTTCCGTAGGTGAACCTGC Ranjard et al.

(2001)3126Ta ATATGCTTAAGTTCAGCGGGT

nu-SSU-0817-59b TTAGCATGGAATAATRRAATAGGA Borneman and

Hartin

(2000)
nu-SSU-1196-39b TCTGGACCTGGTGAGTTTCC

nu-SSU-1536-39b ATTGCAATGCYCTATCCCCA

EF4fc GGAAGGG[G/A]TGTATTTATTAG van Elsas et al.

(2000) and

De Felice

et al. (2009)

Fung5rc GTAAAAGTCCTGGTTCCC

NS2fc GGCTGCTGGCACCAGACTTGC

aITS1-5.8S-ITS2 region
bTwo new PCR primer pairs designed to amplify rDNA from all major taxonomic groups of fungi
cTwo-step, nested PCR based on the EF4f-Fung5r (first PCR) and NS2f-Fung5rC (nested PCR)
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20.2.2 In Situ Hybridization

Labeled probes bind to a single-stranded target sequence within the cell. Labeled

cells can then be specifically detected by microscopic techniques. Most notably,

whole cell and in situ hybridizations are performed with fluorescently labeled

oligonucleotides binding to target sites on the ribosomal RNAs. Ribosomal RNAs

have made good targets since they are present in relatively large numbers in active

cells. Therefore, the signal derived from the fluorescent probes is sufficiently strong

to be detected by epifluorescence microscopy and to identify single cell. rRNAs are

ubiquitous and contain both regions of highly conserved and regions of highly

variable sequence. This makes it possible to create very specific species probes and

more general probes for taxonomic groups of microorganisms. In situ and whole

cell hybridizations have also been used to determine in situ activity of

microorganisms (Prin et al. 1993; Hahn et al. 1995). In vitro transcripts, labeled

with reporter molecules (such as biotin or digoxigenin) or fluorophores, can be used

to detect specific mRNA sequences within microbe cells in the same manner as with

the oligonucleotide probes. This method would be extremely valuable in determin-

ing the activity of microorganisms within populations.

20.2.3 Antibodies for Determination of Microbial Abundance
and Enzyme Levels in Polluted Environments

The actual degradative activity for the breakdown of a specific pollutant in an

environmental compartment is a function of both the number of microbial cells,

which harbor this ability and the level of expression of the pollutant-degrading

catabolic enzymes in these cells (Power et al. 1998). Antibodies can be used to

detect specific cells or proteins in order to estimate the biodegradative potential of a

specific site, instead of or in conjunction with genetic markers. Cell-specific

antibodies can be a rapid and sensitive method for the detection of certain

microorganisms (McDermott 1997).

With combined use of surface-directed and enzyme-specific antibodies, the

biodegradative capacities of a particular site are perceivable. Of course, the

antibodies must be sufficiently specific to distinguish the target protein or cell

from others present in the mixture. The ease and rapidity of antibody assays lend

themselves to development for field studies Power et al. (1998) have used this

approach to investigate the presence and activity of nitrilotriacetic acid (NTA)

degrading bacteria in both model systems and in the environment. NTA-degrading

bacteria were quantified with polyclonal antibodies raised against the cell surface of

Chelatobacter heintzii and Chelatococcus asaccharovorans in wastewater treat-

ment plants.
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20.2.4 High-Throughput Techniques for Characterization
of Fungal Community Structures in Contaminated Sites

A number of culture-independent molecular techniques currently used to study

complex microbial communities are compatible with a high-throughput setup,

such as fingerprinting techniques, real-time PCR, microarrays, metagenomics,

metatranscriptomics, metaproteomics, or metabolomics.

Molecular fingerprinting techniques were introduced in soil microbial ecology in

the past 15 years and allowed the study of the ecology of microorganisms, which

could not be cultivated in synthetic media yet constitute the majority of soil

microorganisms (Kirk et al. 2004). These techniques are based on the separation

of amplicons after PCR amplification of phylogenetic (e.g., 16S rRNA for bacteria

and 5.8S rRNA for fungi) or functional genes using universal or specific primers.

The high specificity, sensitivity, and reproducible consistency of PCR detection of

specific DNA sequences in complex environmental samples have contributed

significantly to the advancement of knowledge in environmental

microbiology (Plaza et al. 2001). Some of fingerprinting techniques have the

potential for high-throughput design, such as terminal restriction fragment length

polymorphism (T-RFLP), length heterogeneity analysis by PCR (LH-PCR), single-

strand conformation polymorphism (SSCP), denaturing gradient gel electrophoresis

(DGGE), or ribosomal intergenic spacer analysis (RISA).

20.2.4.1 Terminal Restriction Fragment Length Polymorphism

T-RFLP analysis is one of the most frequently used high-throughput fingerprinting

methods. Because of its relative simplicity, T-RFLP analysis has been applied to the

analysis of fungal ribosomal genes (Schutte et al. 2008). In this technique, target

genes from whole-community DNA extracts were amplified by using specific

primer pairs, one of which is fluorescently labeled. Some of the gene-specific

primers that commonly used in fingerprinting studies of fungi are listed in

Table 20.1. Resulting fragments was then obtained using enzymatic restriction of

PCR amplicons and separated according to their size. The separated fragments are

visualized by an automated DNA sequencer as a pattern of peaks on an electrophe-

rogram. Only the labeled terminal fragments (T-RFs) are detected and quantified.

Individual RFs can be assigned presumptively to operational taxonomic units,

which ideally correspond to phylogenetically related microorganisms, based

on in silico search for matching restriction sites in sequences from clone

libraries established in parallel from the same sample. In addition, the identification

of T-RFLP peaks can be directly obtained by comparing them to databases (Marsh

et al. 2000). In general, the T-RFLP technique has been proven to be reproducible

as an accurate tool for community fingerprinting (Osborn et al. 2000). Advances in

the use of T-RFLP technique to characterize microbial communities have been

discussed by Schutte et al. (2008).
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20.2.4.2 Denaturing Gradient Gel Electrophoresis

Another fingerprinting technique is denaturing gradient gel electrophoresis

(DGGE), which rely on the separation of PCR amplicons based on their sequence.

In this technique, an interest pattern band can be excited from the gel and further

sequenced for taxonomic assignment. The high-throughput version of DGGE,

denaturing high-performance liquid chromatography (D-HPLC), separates DNA

fragments within minutes using fast and repeatable reverse-phase ion-pair chroma-

tography and then the fragments can be collected at the end of the column for

further automated sequencing (Barlaan et al. 2005).

Several group-specific or universal primers provide relatively large products

(400–700 bp), which either could not be analyzed in DGGE (>600 bp) or provide

poor resolution (400–600 bp). Thus, we commonly follow a nested or semi-nested

PCR approach to obtain PCR products for DGGE analysis. In this procedure, in the

first PCR round, the soil DNA sample is amplified with group-specific primers and

the product obtained is subjected to a second, nested PCR with universal primers. It

should be noted that in the second PCR round one of the two primers should carry a

so-called GC clamp, a 40-bp G- and C-rich sequence, at its 50 end to prevent

complete denaturation of the dsDNA fragments at high denaturant concentrations

(De Felice et al. 2009; Karpouzas and Singh 2010). Thus the second PCR round

produces shorter products with a GC clamp attached, which are suited for DGGE

analysis. The genetic profile of the fungi community, developing in a Viagra

polluted water environment, was evaluated by PCR-DGGE technique using 18S

rRNA gene-specific primers (De Felice et al. 2009).

DGGE and TRFLP alone or in combination with cloning and sequencing have

been used in different steps of bio-augmentation strategies. For instance, these two

techniques have been used in conjunction with culture-dependent techniques in

order to elucidate the phylogeny and the ecological significance of the different

members of complex pesticide-degrading microbial consortia (Singh et al. 2003;

Breugelmans et al. 2007) analysis in order to trace the fate of degrading

microorganisms released in polluted soil ecosystems (Cunliffe and Kertesz 2006).

In addition, DGGE and T-RFLP study possible perturbations in the soil microbial

community, caused during bio-augmentation or bio-stimulation by the release of

pollutant-degrading microorganisms (MacNaughton et al. 1999; Raina et al. 2007).

20.2.4.3 rRNA Intergenic Spacer Analysis

RISA, the rRNA intergenic transcribed spacer (ITS) regions that are located

between the 18S and 28S ribosomal genes in fungi are target sites. Ranjard et al.

(2001) expanded the use of ARISA (automated rRNA intergenic spacer analysis) to

fungal communities (F-ARISA) by designing primers that allow differentiation

between fungal populations by determining the length heterogeneity of the region

between the 18S and 28S rRNA genes, which includes the 5.8S rRNA gene as well
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as two ITS (Fig. 20.2). ITS regions display higher heterogeneity in both length and

nucleotide sequence than their flanking genes. Similarly to T-RFLP or SSCP, an

automated approach has been proposed (Fisher and Triplett 1999), in which (1) a

fluorescence tagged primer is used for PCR, and (2) the electrophoretic step

is performed with an automated system. Serial analysis of ribosomal sequence

tags/ribosomal DNA (SARST or SARD) and single-point genome signature tags

(SP-GSTs) are other two tagging methods for high-throughput profiling of complex

microbial communities. These techniques provide a fingerprint of microbial

communities in the form of concatemers of PCR-amplified tag sequences (Ashby

et al. 2007). Please refer to Neufeld et al. (2004) and van der Lelie et al. (2006) for

more details.

20.2.4.4 Real-Time PCR

Real-time PCR is the continuous collection of fluorescent signals from one or more

polymerase chain reactions over a range of cycles. Quantitative real-time PCR is

the conversion of the fluorescent signals from each reaction into a numerical value

for each sample (Dorak 2006). Real-time PCR is highly sensitive, down to a

detection limit of 1–2 genome copies (Inglis and Kalischuk 2004). Real-time

PCR does not require any tedious post-PCR steps for the quantification of

amplicons, as their amount is monitored in real time. Therefore, this is a high-

throughput technique with superior analytical sensitivity for the detection and

quantification of specific genes in environmental samples (Harms et al. 2003).

A quantitative fingerprinting method combining real-time PCR and T-RFLP

enabled simultaneous determination of microbial abundance and diversity within

a complex wastewater community (Yu et al. 2005).

20.2.4.5 Microarray

Microarray method is a high-throughput technique that compared to traditional

nucleic acid membrane hybridization, offer the advantage of miniaturization

(thousands of probes can be spotted on a slide), high sensitivity, and rapid detection

(Eyers et al. 2004). Fluorescent dyes can be enzymatically or chemically

incorporated in the sample to be hybridized; therefore, readout of the microarray

is based on the detection of a fluorescence signal. The sensitivity of microarrays

Fig. 20.2 Length distribution of ITS1-5.8S-ITS2 regions at ribosomal operon to assess the extent

of the variability within the main fungal taxonomic groups

20 Molecular Techniques in Fungal Bioremediation 459



applied to environmental samples can be problematic, because potential

contaminants (e.g., humic acids) in these samples can inhibit enzymatic reactions

and generate a high signal background on the microarray (Stenuit et al. 2008).

Microarrays [phylogenetic oligonucleotide- (POAs), functional gene-array (FGAs)

or community genome-arrays (CGAs)] are used ever more extensively to charac-

terize the phylogenetic and catabolic diversity of contaminated environments. In

addition, they have the potential of “dynamically” monitoring changes in the

phylogenetic composition of microbial communities or changes in catabolic gene

expression levels during biodegradation processes.

20.2.4.6 Metagenomics: Environmental Functional Genomics

The term “metagenomics” is derived from the statistical concept of meta-analysis
(the process of statistically combining separate analyses) and genomics (the com-

prehensive analysis of an organism’s genetic material) (Rondon et al. 2000).

Metagenomics is the culture-independent genomic analysis of microbial

communities. Environmental DNA and RNA can be obtained directly from envi-

ronment (Vo et al. 2007). Metagenomics enables the retrieval of unknown

sequences or functions from the environment, whereas methods relying on PCR

amplification or microarrays (POA or FGA) presuppose knowledge of gene

sequences. Usually, the term “metagenomics” refers to the construction of

metagenomic libraries: (a) generation of DNA fragments of appropriate size,

(b) ligation of the fragments into an appropriate cloning vector (cosmid, fosmid,

or bacterial artificial chromosome (BAC) vectors), (c) introduction of the recombi-

nant vectors into a suitable bacterial cloning host, and (d) screening of clones

harboring particular activities or containing specific sequences (Daniel 2005).

Moreover, in some heavily contaminated environments harboring very low cell

densities, direct extraction of metagenomic DNA does not provide enough genomic

material for subsequent library construction. New PCR-independent amplification

techniques are then necessary, like multiple displacement amplification (MDA)

using phi29 DNA polymerase (Binga et al. 2008). While introducing an amplifica-

tion bias, such a technique of whole-genome amplification of metagenomic DNA

from very minute microbial sources gives genomic information that would other-

wise remain inaccessible (Abulencia et al. 2006). Metagenomic analyses of a

variety of environmental samples, for example, sea water, cave water estuarine,

brackish sediments, freshwater sediments, peat soil, temperature forest soil, or

acidic forest soil have revealed the enormous genetic diversity of complex micro-

bial communities present in these environments (Vo et al. 2007).

20.2.4.7 Stable Isotope-Probing Techniques

Stable isotope probing (SIP) is one of the many emerging inquiry tools used by

environmental microbiologists. It is a molecular technique that allows investigators
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to follow the flow of atoms in isotopically enriched molecules through complex

microbial communities into metabolically active microorganisms (Wackett 2004).

In conjunction with other tools, SIP seeks to discover the microorganisms respon-

sible for catalyzing biogeochemical reactions in soils, sediments, and waters

(Madsen 2006). SIP is based on the introduction of a substrate labeled with a stable

isotope (for example, 13C, 15N, and 18O) into a system, allowing microbes to

incorporate heavy isotopes into biomarkers such as phospholipids fatty acids

(PLFAs), DNA, and ribosomal RNA (rRNA). In nature, most of carbon sources

are 12C-based. Therefore, the isotope-labeled nucleic acids indicate the genomes or

transcriptomes from microorganisms that actually mineralized and assimilated the

stable-isotope substrate into their biomass. After extracting these biomaterials, it is

possible to separate light and heavy fractions using ultracentrifugation, thus

isolating the genomes (DNA), transcriptomes (RNA), and fatty acids of the micro-

bial communities that have the target functions, i.e., mineralization of target carbon

substrates in the environmental conditions (Vo et al. 2007). De Rito and Madsen

(2009) distinguished a soil fungus involved in phenol biodegradation at an agricul-

tural field sites using field-based DNA SIP of the 18S–28S internal transcribed

spacer (ITS) region. They successfully confirmed Trichosporon multisporum’s
ability to metabolize phenol in field-based soil experiments by this technique.

As above mentioned, metagenomic analyses of environmental samples are able

to reveal enormous genetic diversity of complex microbial communities present in

polluted site. Whole clones from metagenomic libraries can be sequenced and

finally novel genes for enhancing biodegradation of some persistent pollutants

can be discovered (Venter et al. 2004). However, this approach is known to be

economically nonefficient. Most of laboratories cannot conduct that type of

sequencing based metagenomics studies because of the extremely high cost.

Although sequencing analysis is still needed, functional genomes isolated by SIP

can be transferred into metagenomic library, sequence analysis for such selected

functional genomes would be feasible, because the reduced size of clone library

may become adequate for sequencing analysis. Therefore, integration of metage-

nomics with SIP will significantly reduce the amount and cost of sequencing (Vo

et al. 2007; Kalyuzhnaya et al. 2008).

20.2.4.8 Proteomics

A variety of contaminants has been shown to be unusually recalcitrant, i.e.,

microorganisms either do not metabolize or transform them into certain other

metabolites that again accumulate in the environment. Therefore, it may be more

productive to explore new catabolic pathways that might lead towards complete

mineralization of these pollutants. One of the reasons, our knowledge of microbial

degradation pathways is so incomplete is the immense complexity of microbial

physiology that allows response and adaptability to various internal and external

stimuli (Fulekar 2007). New sophisticated techniques in medical science make it

possible to explore global protein expression (proteomics) and low-molecular-
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weight metabolite expression (metabolomics) in environmental remediation. By

applying proteome- and metabolome-based techniques to environmental samples, it

is now possible to develop models that can predict microbial activities under

various bioremediation strategies.

Metabolomics involves a nontargeted, holistic analysis of the set of metabolites

produced by cellular proteins in response to various environmental stimuli. One

particular advantage of metabolomics is that, when combined with multivariate

data analysis (MVDA) tools like principal component discriminant analysis and

partial least squares, it allows us to monitor changes in an organism as it is exposed

to environmental pollutants (Singh 2006). While proteomics studies the global

expression of proteins, metabolomics characterizes and quantifies their

end products: the metabolites, produced by an organism under a given set of

conditions (Whitfield et al. 2004). Unlike past studies based on predefined

metabolites, metabolomics examines all the metabolites present in a biological

system; thus, there is no bias associated with the choice of metabolites to be studied.

However, metabolites in a site-specific organism are part of an in vivo metabolite

flux that regulates entire metabolic pathways. Additionally, metabolism-based wide

fluxes (fluxomes) allow us to pinpoint scenarios of physiological regulation in an

organism (Singh 2006).

20.3 Conclusion

Although biochemical and genetic methods often result in clear-cut signals or

bands, validation of an extrapolation from these results to overall environmental

quality assessment has been limited and remains difficult. Molecular tools as

described in this chapter can answer many of limitations. Nowadays, these

technologies are expected to boost the discovery of new catabolic activities and

to provide quantitative and timely information for the management and cleanup of

contaminated sites and effluents in a perspective of sustainable development

(Stenuit et al. 2008). The integrated functional genomics tools have a huge potential

in applying in many areas of environmental studies for biological treatment engi-

neering and are highly expected to provide more mechanistic and useful informa-

tion on eco-physiology (systems biology) in bioprocesses in engineered and natural

environmental systems (Vo et al. 2007). Continued scientific advancement will

ultimately allow for comprehensive integrated approaches using gene, protein,

and metabolite expression to study the functional physiology of an organism.

Combined approaches will probably allow us to understand better microbial

characteristics in pollutant sites, which may eventually pave the way toward

effective bioremediation.
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Chapter 21

Bioremediation of Heavy Metals Using

Metal Hyperaccumulator Plants

Sangita Talukdar and Soniya Bhardwaj

21.1 Introduction

Contamination of soils with heavy metals, either by natural causes or due to

pollution, often has pronounced effects on the vegetation, environment and

human health. Due to the continual influx of heavy metal contaminants and

pollutants into the biosphere from both natural and anthropogenic sources, these

metals and metalloids accumulates in soil and have noxious effect on both plants

and animals. The heavy metals are strongly deleterious to metal-sensitive enzymes,

which result in growth inhibition and death of the cells. Some of these heavy metals

are micronutrients which are necessary for plant growth, such as zinc (Zn), copper

(Cu), manganese (Mn), nickel (Ni) and cobalt (Co), whereas cadmium (Cd), lead

(Pb) and mercury (Hg) have no known biological function and are extremely toxic.

At the outset, heavy metal pollution is of major concern due to the increasing levels

of pollution and its evident impact on human health through the food chain.

Cadmium (Cd) and mercury (Hg) are common hazardous constituents of indus-

trial Effluents. These are the non-essential elements that negatively affect plant

growth and development and are toxic to living organisms even at low

concentrations. Cd can be easily taken up and accumulated by plants and crops

through their root systems and is present in all food (Alam et al. 2003). Research

undertaken over the past 40 years has identified the irrefutable relationship between

long-term consumption of Cd-contaminated rice and human Cd diseases such as

itai-itai and proximal tubular renal dysfunction (Simmons et al. 2005). Due to the

potential toxicity and high persistence of metals, soils polluted with heavy metals

are a critical environmental issue, which requires an effective and affordable

solution.
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Soil contaminated with Pb causes a sharp decline in crop productivity and

therefore causing serious problem for agriculture (Johnson and Eaton 1980). Its

increasing levels in soil environment inhibit germination of seeds and exert a wide

range of adverse effects on growth and metabolism of plants. The higher uptake of

lead causes toxicity symptom in plants like stunted growth, chlorosis and inhibition

of root growth (Burton et al. 1984). It inhibits photosynthesis, mineral uptake and

water balance; changes hormonal status and affects the membrane structure and

permeability in plants. Like various other heavy metals, lead influences the activity

of wide range of enzymes of different metabolic pathways. It strongly inhibits the

activity of d-amino laevulinate dehydrogenase, which is the key enzyme of chloro-

phyll biosynthesis (Prasad and Prasad 1987). It also inhibits the activity of enzymes

of the reductive pentose pathway (Hampp et al. 1973). It also inhibits the activity of

ATP synthase/ATPase (Tu Shu and Brouillette 1987).

Zinc (Zn) being the second most abundant transition metal in biological systems,

including plants, is stable and inert to oxidoreduction, in contrast to the

neighbouring transition elements in the periodic table (Vallee and Falchuk 1993)

and plays a central role for a broad range of biological processes. However, Zn can

be toxic to living organism when exposed at high concentration. Zn released from

mines and industrial sources contaminate soil. This high amount of Zn can be

transferred to human.

Despite a worldwide intensification of agriculture and tremendous progress

towards increasing yields in major crops over the last decades, the goal to reduce

the problems associated with heavy metal toxicity in plants is far from being

achieved. It is because of human activity and geological origin of the soil. The

metal concentrations in soil range from less than 1 mg kg�1 (ppm) to high as

100,000 mg kg�1 (Blaylock and Huang 2000). The high metal concentrations in

contaminated soils result in decreased soil microbial activity, soil fertility, and yield

losses (McGrath et al. 1995). For decreasing the toxicity of these heavy metals,

several technologies and methods have been developed to remove them from polluted

soil. These methods such as excavation and landfill, thermal treatment, acid leaching,

and electroreclamation, which are being used for heavy metal remediation, are not

suitable in practical applications. It is so because of many reasons like high cost, low

efficiency, large destruction of soil structure and fertility and high dependence on the

contaminants of concern, soil properties, site conditions and so on (Jing et al. 2007).

A cost-effective method to bioremediation of heavy metals is the usage of metal

hyperaccumulator plants. What are these metal hyperaccumulator plants and how

can they be used in bioremediation?

21.2 Metal Hyperaccumulating Plant Species

Requirement of the metals varies from species to species and shows large

differences among the metal “non-hyperaccumulator” and the “hyperaccumulator”

species. “Hyperaccumulator” species are defined as plants having a Zn concentra-

tion above 10,000 mg g�1 dw, Ni concentration higher than 1,000 mg g�1 dw or

468 S. Talukdar and S. Bhardwaj



Cd concentration above100 mg g�1 dw. In comparison, a non-accumulator plant

contains 30–100 mg g�1 dw of Zn and 1–10 mg g�1 dw of Ni. A Cd concentration of

more than 10 mg g�1 dw is toxic. Thlaspi caerulescens (Tc), a Zn/Cd/Ni

hyperaccumulator species, can accumulate up to 30,000 mg Zn g�1 dw foliar

concentration (Brown et al. 1995), 4,000 mg Ni g�1 dw (Reeves and Brooks

1983; McGrath et al. 1993) and 2,700 mg Cd g�1 dw (Lombi et al. 2000). Like

other hyperaccumulators, T. caerulescens exhibits enhanced metal uptake, as well

as enhanced metal translocation to the shoots (Lasat et al. 1996; Shen et al. 1997;

Schat et al. 2000). Approximately, 400 species have been reported as Ni, Zn, Cd,

Pb, Cu, Co and Mn hyperaccumulators, which belong to a wide range of unrelated

families (Baker and Brooks 1989; Baker et al. 2000). Among these 400 species, 317

are Ni hyperaccumulators and 12 are identified as Zn hyperaccumulators (Baker

et al. 2000). Many Zn hyperaccumulators belong to the Brassicaceae family; 11 of

them are Thlaspi species and one is an Arabidopsis species (Arabidopsis halleri).
They are mainly found on calamine soils enriched in Zn, Pb and Cd, either naturally

or due to mining or metal smelting in different parts of the world. Few species are

naturalised in parts of Scandinavia.

The biggest concern now is to understand the mechanism of the plants,

especially the hyperaccumulator plants, in order for better utilisation for biore-

mediation technique. Metal transporters play a pivotal role in metal uptake,

localisation in the cell of hyperaccumulator plants as well as non-accumulator

plants. An efficient root uptake system, as well as root-to-shoot translocation of

metals, is among the more important characteristics of a metal hyperaccumulator.

So it is vital to understand the function of individual metal transporters in

connection to bioremediation.

21.3 Metal Transporters

21.3.1 Metal Uptake Proteins

A primary control point for metal homeostasis appears to be the regulation of metal

uptake across the plasma membrane into the cell (Guerinot 2000). Metal ions are

hydrophilic and do not cross cell membranes or other organelle membranes by

passive diffusion (Cousins and McMahon 2000). Plants have evolved mechanisms

that allow the transport of metal ions, through different categories of metal

transporters such as the ZIP (ZRT, IRT-like proteins) family (Guerinot 2000), cation

diffusion facilitators (CDFs) (Williams et al. 2000), heavy metal (or CPx-type)

ATPases, the natural resistance-associated macrophage proteins (Nramps) and the

cation antiporters (Gaxiola et al. 2002), found to be located in different organelles

within the cell.
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21.3.2 ZIP Family Transporters

The ZIPs are involved in the transport of Fe, Zn, Mn and Cd with family members

differing in their substrate range and specificity (Guerinot 2000; Mäser et al. 2001).

About 85 ZIP family members have now been identified from bacteria, archea and

all types of eukaryotes, including 15 genes in A. thaliana (Mäser et al. 2001).

The ZIP proteins are predicted to have eight transmembrane (TM) domains with

the amino- and carboxyl-terminal ends situated on the outer surface of the plasma

membrane (Guerinot 2000). The overall length varies widely, mostly because of a

variable region between TM-3 and TM-4. This region is predicted to be on the

cytoplasmic side and contains a potential metal-binding domain, rich in histidine

residues. The most conserved region of these proteins lies in TM-4 and is predicted

to form an amphipathic helix containing a fully conserved histidine that may form

part of an intra-membranous metal binding site involved in transport (Guerinot

2000; Mäser et al. 2001). Its transport function after heterologous expression in

yeast is eliminated when conserved histidines or certain adjacent residues are

replaced by different amino acids (Rogers et al. 2000).

The first member ZIP family identified from plant (Eide et al. 1996) was AtIRT1
(iron-regulated transporter 1) cloned from A. thaliana and identified by functional

complementation of the Fe-uptake-deficient yeast double mutant fet3 fet4. AtIRT1
is thought to be the major transporter for high affinity Fe uptake by roots (Connolly

et al. 2002; Vert et al. 2002). Plants overexpressing AtIRT1 also accumulate higher

concentrations of Cd and Zn than wild types under Fe deficient conditions,

indicating an additional role in the transport of these metals (Connolly et al.

2002). This is also supported by transport studies in yeast (Eide et al. 1996;

Korshunova et al. 1999). The irt1-1 A. thaliana knockout mutant is chlorotic and

shows severe growth defects that can be rescued by exogenous application of

Fe (Vert et al. 2002). AtIRT1 is expressed predominantly in the external layers of

the root under Fe-deficient conditions and the protein is localised to the plasma

membrane. Mutants of AtIRT1 also showed significant changes in photosynthetic

efficiency and developmental defects that are consistent with a deficiency in

Fe transport and homeostasis (Henriques et al. 2002; Varotto et al. 2002).

Interestingly, AtIRT2 is also expressed in root epidermal cells under Fe defi-

ciency. However, AtIRT2 cannot complement the loss of AtIRT1 (Grotz and

Guerinot 2002) and appears to have a greater specificity to substrates. Although

the gene can complement Fe and Zn uptake mutants, the protein does not transport

Cd or Mn in yeast (Vert et al. 2001). This suggests that these transporters have

different functions in A. thaliana.
In tomato LeIRT1 and LeIRT2 were studied and both genes were shown to be

expressed in roots (Eckhardt et al. 2001). Expression of LeIRT1 was found to be

strongly enhanced by Fe limitation, whereas this was not the case for LeIRT2.
LeIRT1 was also up-regulated by phosphorus (P) and potassium (K) deficiencies in

the root medium. This suggests a possible co-regulation of the transporter genes for

certain essential minerals (Wang et al. 2002). Studies in yeast suggest that LeIRT1
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and LeIRT2 also have a broad range of substrate transport (Eckhardt et al. 2001).

OsIRT1 from rice, which has high homology to the A. thaliana AtIRT1 gene, is also
predominantly expressed in roots and is induced by Fe- and Cu-deficiency (Bughio

et al. 2002).

Based largely on yeast complementation studies, further information is available

on the functional properties of other plant ZIP transporters. The ZIP1-3 transporters

from A. thaliana restore Zn uptake in the yeast Zn uptake double mutant zrt1 zrt2 and
were proposed to play a role in Zn transport (Grotz et al. 1998; Guerinot 2000). ZIP1,
ZIP3 and ZIP4 are expressed in the roots of Zn-deficient plants, while ZIP4 is also

expressed in the shoots (Grotz et al. 1998; Guerinot 2000). Wintz et al. (2003)

demonstrated that two ZIP genes, AtZIP2 and AtZIP4, are involved in copper

transport.

The proposed role of ZIP transporters in Zn nutrition is supported by the

characterisation of homologues from other species. A member of the ZIP family,

GmZIP1, has now been identified in soybean (Moreau et al. 2002). By functional

complementation of the zrt1 zrt2 yeast cells,GmZIP1was found to be highly selective
for Zn, while yeast Zn uptake was inhibited by Cd. GmZIP1 was specifically

expressed in the nodules and not in roots, stems or leaves, and the protein was

localised to the peribacteroid membrane, indicating a possible role in the symbiosis

(Moreau et al. 2002).

The yeast ZIPs, ZRT1 and ZRT2, were shown to be high- and low-affinity Zn

transporters, respectively (Eide 1998; Guerinot 2000); ZRT1 is glycosylated and

present at the plasma membrane. A third ZIP homologue in yeast, ZRT3, is proposed
to function in the mobilisation of stored Zn from the vacuole (MacDiarmid

et al. 2000).

Why do plants need so many ZIPs? This diversity may be required for a variety

of reasons: (1) to provide the high- and low-affinity systems needed to cope with

varying metal availability in the soil; (2) to provide the specific requirements for

transport at the different cellular and organellar membranes within the plant and

(3) to respond to a variety of stress conditions. High-affinity transporters are

selective for their target metals and are tightly regulated according to metal need.

Low-affinity transporters are less responsive to metal need and are somewhat less

selective for the metals they transport (Radisky and Kaplan 1999).

21.3.3 Metal Efflux Proteins

Plasma membrane controlled Zn regulation is not sufficient to control the free metal

concentration in the cells. The vacuole, which occupies most of the plant cell

volume, plays a major role in the regulation of ion homeostasis in the cell and in

detoxification of the cytosol (Marschner 1995). Several CDF genes involved in

sequestration of metals in the cell have been identified in different plant species.
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21.3.4 CDF Family or Cation Efflux Family

Over-expression of CDF family members are described to confer Zn, Cd, Co or Ni

tolerance to plants (Paulsen and Saier 1997; Eide 1998). Several evidences suggest

that these transporters either sequester metal ions within vacuoles or export metal

ions out of the cells (Paulsen and Saier 1997), though the mechanisms underlying

the transport are not well understood for most of the CDF proteins. Proteins of the

CDF family from diverse sources have the following features in common: (1) they

share an N-terminal signature sequence that is specific to the family; (2) the proteins

possess six trans-membrane-spanning regions; (3) they share a cation efflux

domain; and (4) most of the eukaryotic members possess an intracellular

histidine-rich domain that is absent from the prokaryotic members (Paulsen and

Saier 1997). Several CDF family members have been studied from Saccharomyces
cerevisiae, Escherichia coli, Bacillus subtilis and Schizosaccharomyces pombe and
were found to contribute to the storage of Zn and other metals into the vacuole

(Li and Kaplan 1998; MacDiarmid et al. 2002; Miyabe et al. 2001; Guffanti et al.

2002; Chao and Fu 2004; Li and Kaplan. 2001; Clemens et al. 2002).

The genome of A. thaliana encodes 12 putative CDF genes, which are highly

divergent in sequence, but share some characteristics of CDF family membrane

transport proteins (Blaudez et al. 2003). AtZAT (Zn transporter of A. thaliana) later
renamed as AtMTP1 (Metal Tolerance Protein 1) was the first plant CDF, identified
as a cDNA (van der Zaal et al. 1999; Mäser et al. 2001). Under normal or excess Zn

supply, AtMTP1 transcripts were shown to be present at low levels in seedlings

(van der Zaal et al. 1999). 35S::AtMTP1 transformed A. thaliana plants resulted in

enhanced Zn tolerance of transgenic seedlings and slightly increased Zn accumula-

tion in roots. Studies by Kobae et al. (2004) suggested AtMTP1 to be a potential Zn
transporter in A. thaliana. A further study by Desbrosses-Fonrouge et al. (2005)

showed that AtMTP1 acts as a Zn transporter, localised in the vacuolar membrane,

mediating Zn detoxification and leaf Zn accumulation. Bloss et al. (2002) expressed

AtMTP1 in E. coli and studied the purified protein in reconstituted proteoliposomes.

The protein transported Zn into proteoliposomes by a mechanism that relied on the

Zn gradient across the membrane and not on a proton gradient. Two of the 12 genes

encoding putative CDF proteins in A. thaliana, AtMTP2 and AtMTP3, are closely

related to AtMTP1 (64.4 % and 67.6 % identity, respectively). AtMTP2 was shown

by expression profiling to be induced in a Zn deficiency condition (van de Mortel

et al. 2006). AtMTP3 was found to contribute to basic cellular Zn tolerance and was

involved in the control of Zn partitioning (Arrivault et al. 2006). Silencing of

AtMTP3 causes Zn hypersensitivity and enhances Zn accumulation in above ground

organs of plants exposed to excess Zn or to Fe deficiency.

Over-expression of PtdMTP1 from hybrid poplar (Populus
trichocarpa � P. deltoides) in A. thaliana also conferred Zn tolerance (Blaudez

et al. 2003). Heterologous expression of PtdMTP1 from poplar in various yeast

mutants was shown to confer resistance specifically to Zn, possibly as a result of

transport into the vacuole (Kohler et al. 2003).
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Persans et al. (2001) isolated CDF member genes (TgMTPs) from the

Ni-hyperaccumulating species Thlaspi goesingense. These genes conferred metal

tolerance to S. cerevisiae mutants defective in vacuolar COT1 and ZRC1 Zn

transporters. They suggested that TgMTP1 transports metals into the vacuole.

In vivo and in vitro immunological staining of hemagglutinin (HA)-tagged

TgMTP1::HA revealed that the protein is localised in both vacuolar and plasma

membranes in S. cerevisiae. It was assumed that TgMTP1 functions by enhancing

plasma membrane Zn efflux thereby conferring Zn resistance in S. cerevisiae.
Transient expression in A. thaliana protoplasts also revealed that TgMTP1::GFP
is localised at the plasma membrane, suggesting that TgMTP1 may enhance the Zn

efflux in plants, which is different from the other endogenous A. thaliana CDFs.

Delhaize et al. (2003) showed that the ShMTP1 cDNA from Stylosnathes hamata, a
tropical legume tolerant to acid soils with high concentrations of Mn, conferred Mn

tolerance to yeast and plants by a mechanism that is likely to involve the sequestra-

tion of Mn into internal organelles. Expression studies on AhMTP1 from A. halleri
showed substantially higher transcript levels in the leaves and up-regulation upon

exposure to high Zn concentrations in the roots of A. halleri and vacuolar

localisation leading to Zn accumulation in the plant (Dräger et al. 2005).

21.4 Metal Transport in T. caerulescens

Lasat et al. (1996) described the physiological characterisation of Zn uptake of

T. caerulescens and T. arvense (a non-hyperaccumulator species). A concentration-

dependent Zn2+ influx into the root was recorded, using radiotracer flux techniques.

In both species, there was a saturable component following Michaelis–Menten

kinetics. Vmax was much higher in T. caerulescens than in T. arvense, whereas the
Km values appeared similar for both species. This suggests a higher expression of

functionally similar Zn transporters in T. caerulescens compared to T. arvense roots
(Lasat et al. 2000). Time-course analysis of Zn accumulation in roots and shoots

supported this finding. The Zn content in the T. caerulescens roots was found to be

two times higher than in the T. arvense roots at the start of the experiment, despite a

much higher rate of Zn translocation to the shoot later on (Lasat et al. 1996).

Further, Lasat et al. (2000) and Pence et al. (2000) isolated TcZNT1, a ZIP family

Zn transporter gene from T. caerulescens, by functional complementation of the

yeast zhy3 mutant, defective in Zn uptake (Zhao and Eide 1996).

Assunção et al. (2001) cloned the TcZNT1 gene as well as an apparent paralogue,
the TcZNT2 gene, based on the homology to the A. thaliana AtZIP4 gene from

accession La Calamine. In non-accumulator species, like A. thaliana or T. arvense,
the orthologues of TcZNT1 are mainly expressed in roots, but only under Zn

deficiency conditions. At normal or elevated Zn supply, their transcription is

strongly down-regulated (Grotz et al. 1998; Pence et al. 2000; Assunção et al.

2001). In contrast, in T. caerulescens both TcZNT1 and TcZNT2 are highly

expressed in roots and at a lower level in shoots, not only under conditions of Zn
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deficiency, but also at normal or elevated Zn supply (Pence et al. 2000; Assunção

et al. 2001). TcZNT1-mediated Zn uptake in yeast showed a saturable component

(Pence et al. 2000) with a Km value very similar to the one found for T. caerulescens
(Lasat et al. 1996). Furthermore, the Vmax of Zn influx in roots of T. caerulescens
grown under different Zn concentrations correlated very well with the root TcZNT1
transcript levels and the Km values were very similar at all the Zn exposure levels

tested (Pence et al. 2000). Similar experiments were done to show evidence of Cd

transport of TcZNT1, concluding that TcZNT1 mediates high-affinity Zn uptake as

well as low-affinity Cd uptake (Pence et al. 2000).

Why these genes are apparently over-expressed in T. caerulescens is still

unknown. An increased expression of TcZNT1 and TcZNT2 may be one of the

evolutionary changes on the way from non-accumulator to hyperaccumulator

(Assunção et al. 2001). One possibility could be that a Zn-responsive element in

the TcZNT1 promoter has been altered, altering the Zn-imposed transcriptional

down regulation (Assunção et al. 2001). However, since two genes (TcZNT1 and

TcZNT2) are over-expressed, an alteration in the Zn receptor and signal transduc-

tion machinery appears more plausible (Lasat et al. 2000; Pence et al. 2000).

Recently, a gene encoding a basic helix-loop-helix (bHLH) transcription factor

involved in the regulation of Fe status was identified in tomato. Mutation of this

gene leads to much lower expression of the main root Fe transporter (Ling et al.

2002). One can envision that a similar transcription factor in T. caerulescens is

involved in the regulation of Zn status. Modification of one transcription factor

often changes the expression of several genes, as could be the case for the TcZNT1
and TcZNT2 paralogues (Assunção et al. 2001). Alternatively, if the Zn sequestra-

tion machinery is much more efficient in T. caerulescens than in non-accumulator

species, this can create a state of “physiological Zn deficiency” (Assunção et al.

2001). In this situation, cellular sensing machinery does not sense Zn at appropriate

levels, even though the Zn supply rates and total cellular Zn concentrations would

be adequate or even toxic for non-hyperaccumulator plants (Assunção et al. 2001).

Similar to the kinetics studies with Zn, Lombi et al. (2001) and Zhao et al. (2002)

also established the kinetic parameters of Cd and Zn influx into the roots of plants

from two calamine T. caerulescens accessions, Prayon and Ganges, with different

Cd accumulation capacities (much higher in Ganges). The non-saturable compo-

nent of the Cd influx was the same in both accessions and the Vmax of the saturable

component was about five times higher in Ganges than in Prayon, while the

maximum saturable Zn influx rates were about equal. Cd uptake in Prayon was

significantly suppressed in the presence of equimolar concentrations of Zn and Mn,

suggesting that in Prayon Zn transporters largely mediate Cd uptake. However, a

similar treatment did not affect Cd uptake in Ganges, suggesting the existence of a

transporter with high selectivity to Cd, as compared to Zn and Mn at least, which

would be expressed much higher in Ganges than in Prayon (Lombi et al. 2001; Zhao

et al. 2002).

Assunção et al. (2001) showed constitutively high expression of TcZTP1
(Zn Transporter 1), a member of the CDF family in T. caerulescens. TcZTP1 is

very similar to AtMTP1 of A. thaliana. It has 90 % identity at the DNA level and
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75 % aa identity. Still the molecular basis of Zn uptake and transport in

T. caerulescens is largely unexplored (Assunção et al. 2003). Two related ZIP

genes have been cloned from Ni hyperaccumulator T. japonicum, TjZNT1 and

TjZNT2. Expressing either TjZNT1 or TjZNT2 in yeast shows increased resistance

to Ni2+ (Mizuno et al. 2005), highlighting a potential role for these genes in Ni

tolerance. Further studies are necessary to determine if or how these proteins

function to hyperaccumulate metals in plants and to understand the differential

regulation of the similar genes in the hyperaccumulator plants compared with non-

accumulator plants.

Furthermore, it is fascinating that T. caerulescens and other hyperaccumulator

plants cope with such high Zn and other heavy metal concentrations, which are very

toxic to other non-accumulator plants. This is why the hyperaccumulator plants are

assumed to have specific or higher activity of mechanisms for root-to-shoot trans-

port, xylem loading and unloading (Lasat et al. 1998) and vacuolar sequestration of

heavy metals, particularly in the leaf epidermal cells (Vázquez et al. 1999; Küpper

et al. 1999), trichomes (Krämer et al. 1997) or stomatal guard cells (Heath et al.

1997) compared to the non-accumulating plants. Only few studies have been

carried out to understand the mechanisms behind. Further research is necessary to

understand the underlined mechanisms.

21.5 Bioremediation Using Metal Hyperaccumulator Plants

A great interest has developed recently in the use of terrestrial plants as a green

technology for the remediation of surface soils contaminated with toxic heavy

metals (Pence et al. 2000). This developed the new field of environmental biotech-

nology, termed phytoremediation, which uses plants to extract heavy metals from

the soil and to concentrate them in harvestable shoot tissue (Salt et al. 1995). Hence,

the hyperaccumulator plants have great potential for bioremediation of Zn and Cd.

Approximately, 400 species have been reported as Ni, Zn, Cd, Pb, Cu, Co and

Mn hyperaccumulators, which belong to a wide range of unrelated families (Baker

and Brooks 1989; Baker et al. 2000). Brassica juncea, Brassica napus, Helianthus
annuus and Thlaspi caerulescens are only few potential examples. Thlaspi
caerulescens, a Zn/Cd/Ni hyperaccumulator species, can accumulate high amount

of Zn, Cd and Ni in its roots and shoots, has great potential for application in

phytoextraction of the metals. Brassica napus and Brassica juncea is well known

for phytoextraction for several heavy metals (Cr, Hg, Pb, Se, Zn and Ag). Sunflower

or Helianthus annuus are also commonly known as metal accumulator for several

heavy metals.

However, it is important to understand the individual hyperaccumulator species

for specific metal extraction and processing. This will further improve the technique

of phytoremediation. Several criteria must be met before a plant is considered to be

well suited for phytoremediation (Song et al. 2003). An “ideal” phytoremediator

should be fast growing, develop a large biomass, be tolerant to and accumulate high
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concentrations of toxic metals in the shoot and be easily cultivated and harvested.

Although natural hyperaccumulators can tolerate and accumulate high concentra-

tion of toxic metals, they usually produce little biomass, they grow slowly and

cannot be easily cultivated. Now with the advancement of molecular biology,

scientists are performing genetic engineering to improve the metal accumulation

capacity of fast-growing and high-biomass plants.

Transferring the genes responsible for the hyperaccumulating phenotype to

higher shoot-biomass-producing plants has been suggested as a potential avenue

for enhancing phytoremediation as a viable commercial technology (Brown et al.

1995). Several engineering approaches to enhance metal uptake can be envisioned

(Clemens et al. 2002). (1) The number of uptake sites could be increased; (2) the

specificity of uptake systems could be altered, so that the competition among the

unwanted cations is reduced and (3) the sequestration capacity could be enhanced

by increasing the number of intracellular high-affinity binding sites or the rates of

transport into organelles (Clemens et al. 2002).

In summary, better understanding of the metal accumulating plant species and

their engineering to cater the practical need can be a revolutionary step towards

cost-effective and efficient method of metal bioremediation.

21.6 Conclusion and Future Perspectives

The mechanism of individual hyperaccumulator species for specific metal extraction

and processing can help in phytoremediation, which is a cost-effective and efficient

method of excavating heavy metals from the environment. To further understand the

role of the heavy metal transporters in metal homeostasis in plants a more detailed

analysis of the different members is required to study the mechanism of metal

hyperaccumulation in the hyperaccumulator plants as compared to the non-

accumulating plants. This analysis should include determination of the proteins

expression patterns, membrane localisation, metal specificity and transport

mechanisms, including structure/function analyses. An improved understanding of

the genetic and biochemical basis of metal hyperaccumulation in plants can help both

in development of plants ideally suited for phytoremediation of pollutant metals and

enhancing the micronutrient quality of staple food crop.
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