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Foreword

International concern in scientific, industrial, and governmental communities over

traces of xenobiotics in foods and in both abiotic and biotic environments has

justified the present triumvirate of specialized publications in this field: compre-

hensive reviews, rapidly published research papers and progress reports, and

archival documentations These three international publications are integrated and

scheduled to provide the coherency essential for nonduplicative and current pro-

gress in a field as dynamic and complex as environmental contamination and

toxicology. This series is reserved exclusively for the diversified literature on

“toxic” chemicals in our food, our feeds, our homes, recreational and working

surroundings, our domestic animals, our wildlife, and ourselves. Tremendous

efforts worldwide have been mobilized to evaluate the nature, presence, magnitude,

fate, and toxicology of the chemicals loosed upon the Earth. Among the sequelae of

this broad new emphasis is an undeniable need for an articulated set of authoritative

publications, where one can find the latest important world literature produced by

these emerging areas of science together with documentation of pertinent ancillary

legislation.

Research directors and legislative or administrative advisers do not have the

time to scan the escalating number of technical publications that may contain

articles important to current responsibility. Rather, these individuals need the

background provided by detailed reviews and the assurance that the latest informa-

tion is made available to them, all with minimal literature searching. Similarly, the

scientist assigned or attracted to a new problem is required to glean all literature

pertinent to the task, to publish new developments or important new experimental

details quickly, to inform others of findings that might alter their own efforts, and

eventually to publish all his/her supporting data and conclusions for archival

purposes.

In the fields of environmental contamination and toxicology, the sum of these

concerns and responsibilities is decisively addressed by the uniform, encompassing,

and timely publication format of the Springer triumvirate:
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Reviews of Environmental Contamination and Toxicology [Vol. 1 through 97

(1962–1986) as Residue Reviews] for detailed review articles concerned with

any aspects of chemical contaminants, including pesticides, in the total environ-

ment with toxicological considerations and consequences.

Bulletin of Environmental Contamination and Toxicology (Vol. 1 in 1966) for

rapid publication of short reports of significant advances and discoveries in the

fields of air, soil, water, and food contamination and pollution as well as

methodology and other disciplines concerned with the introduction, presence,

and effects of toxicants in the total environment.

Archives of Environmental Contamination and Toxicology (Vol. 1 in 1973) for

important complete articles emphasizing and describing original experimental or

theoretical research work pertaining to the scientific aspects of chemical con-

taminants in the environment.

The individual editors of these three publications comprise the joint Coordinating

Board of Editors with referral within the board of manuscripts submitted to one

publication but deemed by major emphasis or length more suitable for one of the

others.

Coordinating Board of Editors

vi Foreword



Preface

The role of Reviews is to publish detailed scientific review articles on all aspects of

environmental contamination and associated (eco)toxicological consequences.

Such articles facilitate the often complex task of accessing and interpreting cogent

scientific data within the confines of one or more closely related research fields.

In the 50+ years since Reviews of Environmental Contamination and Toxicology
(formerly Residue Reviews) was first published, the number, scope, and complexity

of environmental pollution incidents have grown unabated. During this entire

period, the emphasis has been on publishing articles that address the presence

and toxicity of environmental contaminants. New research is published each year

on a myriad of environmental pollution issues facing people worldwide. This fact,

and the routine discovery and reporting of emerging contaminants and new envi-

ronmental contamination cases, creates an increasingly important function for

Reviews. The staggering volume of scientific literature demands remedy by which

data can be synthesized and made available to readers in an abridged form. Reviews
addresses this need and provides detailed reviews worldwide to key scientists and

science or policy administrators, whether employed by government, universities,

nongovernmental organizations, or the private sector.

There is a panoply of environmental issues and concerns on which many

scientists have focused their research in past years. The scope of this list is quite

broad, encompassing environmental events globally that affect marine and terres-

trial ecosystems; biotic and abiotic environments; impacts on plants, humans, and

wildlife; and pollutants, both chemical and radioactive; as well as the ravages

of environmental disease in virtually all environmental media (soil, water, air).

New or enhanced safety and environmental concerns have emerged in the last

decade to be added to incidents covered by the media, studied by scientists, and

addressed by governmental and private institutions. Among these are events so

striking that they are creating a paradigm shift. Two in particular are at the center of

ever increasing media as well as scientific attention: bioterrorism and global

warming. Unfortunately, these very worrisome issues are now superimposed on

the already extensive list of ongoing environmental challenges.
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The ultimate role of publishing scientific environmental research is to enhance

understanding of the environment in ways that allow the public to be better

informed or, in other words, to enable the public to have access to sufficient

information. Because the public gets most of its information on science and

technology from internet, TV news, and reports, the role for scientists as inter-

preters and brokers of scientific information to the public will grow rather than

diminish. Environmentalism is an important global political force, resulting in the

emergence of multinational consortia to control pollution and the evolution of the

environmental ethic. Will the new politics of the twenty-first century involve a

consortium of technologists and environmentalists, or a progressive confrontation?

These matters are of genuine concern to governmental agencies and legislative

bodies around the world.

For those who make the decisions about how our planet is managed, there is an

ongoing need for continual surveillance and intelligent controls to avoid endanger-

ing the environment, public health, and wildlife. Ensuring safety-in-use of the many

chemicals involved in our highly industrialized culture is a dynamic challenge,

because the old, established materials are continually being displaced by newly

developed molecules more acceptable to federal and state regulatory agencies,

public health officials, and environmentalists. New legislation that will deal in an

appropriate manner with this challenge is currently in the making or has been

implemented recently, such as the REACH legislation in Europe. These regulations

demand scientifically sound and documented dossiers on new chemicals.

Reviews publishes synoptic articles designed to treat the presence, fate, and, if

possible, the safety of xenobiotics in any segment of the environment. These

reviews can be either general or specific, but properly lie in the domains

of analytical chemistry and its methodology, biochemistry, human and animal

medicine, legislation, pharmacology, physiology, (eco)toxicology, and regulation.

Certain affairs in food technology concerned specifically with pesticide and other

food-additive problems may also be appropriate.

Because manuscripts are published in the order in which they are received in

final form, it may seem that some important aspects have been neglected at times.

However, these apparent omissions are recognized, and pertinent manuscripts are

likely in preparation or planned. The field is so very large and the interests in it are

so varied that the editor and the editorial board earnestly solicit authors and

suggestions of underrepresented topics to make this international book series yet

more useful and worthwhile.

Justification for the preparation of any review for this book series is that it deals

with some aspect of the many real problems arising from the presence of anthro-

pogenic chemicals in our surroundings. Thus, manuscripts may encompass case

studies from any country. Additionally, chemical contamination in any manner of

air, water, soil, or plant or animal life is within these objectives and their scope.

Manuscripts are often contributed by invitation. However, nominations for new

topics or topics in areas that are rapidly advancing are welcome. Preliminary

communication with the Editor-in-Chief is recommended before volunteered

review manuscripts are submitted. Reviews is registered in WebofScience™.

viii Preface



Inclusion in the Science Citation Index serves to encourage scientists in academia

to contribute to the series. The impact factor in recent years has increased from 2.5

in 2009 to almost 4 in 2013. The Editor-in-Chief and the Editorial Board strive for a

further increase of the journal impact factor by actively inviting authors to submit

manuscripts.

Amsterdam, The Netherlands

January 2015

Pim de Voogt

Preface ix



Contents

A Global Overview of Exposure Levels and Biological

Effects of Trace Elements in Penguins . . . . . . . . . . . . . . . . . . . . . . . . 1
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Acronyms

Al Aluminum

As Arsenic

Ca Calcium

Cd Cadmium

Co Cobalt

Cr Chromium

Cu Copper

Fe Iron

Hg Mercury

Mn Manganese

Ni Nickel

Pb Lead

Se Selenium

V Vanadium

Zn Zinc

Highlights

• Most of the studies of metals in penguins have been carried out in

Antarctic and subantarctic islands. However, there is a lack of data from

lower latitudes where other important penguin species inhabit.

• The levels of metals are reported mainly in feathers and excreta. Further

research in other biological matrices such as internal organs and blood is

required.

• Further research in the issue of biological effects caused by metals is

needed.

• Little is known about the interaction among the metals which could

activate certain mechanisms of detoxification of the body of the penguins.

1 Introduction

Trace metal toxicity is one of the major stressors leading to hazardous effects on

biota (Bargagli 2001; Zhang and Ma 2011). In aquatic environments, trace element

contamination is a great concern, due to the implications these chemicals may have

on both wildlife and human health (Lavoie et al. 2013; Prashanth et al. 2016). These

elements enter the water through natural erosion, geochemical cycles, industrial

processes, and agricultural practices (Burger and Gochfeld 2000a). In birds, some

metals can produce severe adverse effects such as difficulty in flying, walking and

standing, paralysis, and an increase in mortality (Newman 2015). In order to

2 W. Espejo et al.



monitor the occurrence of environmental pollutants in marine ecosystems, the use

of aquatic birds has greatly increased, because they can accumulate trace elements

in diverse tissues, such as eggs, feathers, or liver, thus can be used to indirectly

evaluate in a proper way the toxicological status of the marine ecosystem under

study (Savinov et al. 2003). Moreover, seabird diet and feeding ecology can differ

in response to climate change, thus affecting exposure to metals over time (Braune

et al. 2014). Evidence indicates that the concentrations of certain pollutants in

seabirds have a lower variation coefficient than that observed in fishes or marine

mammals, so that the analysis of a relatively low number of samples of birds is

similar to that obtained by analyzing a significantly higher number in other groups

of animals (Pérez-López et al. 2005). Birds tend to be more sensitive to environ-

mental contaminants than other vertebrates (Zhang and Ma 2011), thus ecotoxico-

logical studies on seabirds have proliferated in recent years (Casini et al. 2001;

Barbieri et al. 2010; Barbosa et al. 2013; Celis et al. 2014; Kehrig et al. 2015).

The study of trace elements in penguins is valuable, because they are animals

that exclusively inhabit the Southern Hemisphere and represent about 90% of the

bird biomass of the Southern Ocean (Williams 1990). Penguins are present in

different systems in the Antarctic, subantarctic islands of the Pacific, Atlantic,

and Indian oceans, as well as on the coasts of Australia, South Africa, South

America, and the Galapagos (Garcı́a and Boersma 2013). Penguins are useful

indicators of the degree of contamination by trace elements in the environment,

because they are highly specialized animals that swim and dive in search for food,

are widely distributed, and are organisms usually found at the top of the trophic web

(De Moreno et al. 1997; Boersma 2008; Fig. 1). Additionally, penguins are

extremely interesting as bioindicators because of their intense molting process

(Carravieri et al. 2014), and because they can be finicky eaters with a restricted

diet (Lescroël et al. 2004; Jerez et al. 2011).

The different penguin species (order Sphenisciformes, family Spheniscidae) can

be classified in the genera Aptenodytes, Eudyptes, Eudyptula, Megadyptes,
Pygoscelis, and Spheniscus. These species have in common the fact of presenting

serious risks of survival in the future, because about two thirds of penguin species

are on the Red List of Threatened Species of the International Union for Conser-

vation of Nature (UICN 2016). Contamination, climate change, fishing, alterations

of ecosystems, diseases, and even tourism are their major threats (Garcı́a and

Boersma 2013). The lack of knowledge about the effects of trace elements in

seabirds is a main threat to their population sustainability (Sanchez-Hernandez

2000).

The study of the biological effects of toxic trace elements ingested by penguins

is of great relevance because it may contribute knowledge of possible consequences

in nature (Nordberg and Nordberg 2016). Moreover, evidence has revealed that

some trace elements such as As, Cd, Hg, Mn, Pb, and Zn can affect the endocrine

system of animals and humans, producing alterations in physiological functions

(Iavicoli et al. 2009). Given the wide distribution of penguins, data concerning trace

element concentrations in different biotic matrices of penguins are summarized

A Global Overview of Exposure Levels and Biological Effects of Trace. . . 3



here to be used as a first background database for contamination detection in marine

ecosystems.

2 Materials and Methods

In order to identify the interaction of penguin species and trace elements, a systematic

study of the existing literature on the concentrations of trace elements in different

biotic matrices studied was conducted. These biological matrices correspond to

guano, feathers, eggs, blood, stomach contents, and internal organs. By using data-

bases such as Direct, Springer, Scopus, and Web of Science, different keywords were

used. Among them, “trace element,” “heavy metal,” “trace metals,” “mercury,”

“aluminum,” “arsenic,” “cadmium,” “lead,” “zinc,” “copper,” “pollution,” “persis-

tent pollutants,” “monitoring,” “biomonitoring,” “penguin,” “seabirds,” “eggs,”

“blood,” “guano,” “droppings,” “feathers,” “tissues,” “organs,” and “Antarctic” can

be mentioned. Furthermore, the list of references of each publication was reviewed to

Fig. 1 Sources of trace elements in the environment, bioaccumulation, biomagnification, and

effects on penguins. According to Newman (2015), bioaccumulation is the net accumulation of a

contaminant on an organism from all sources including water, air, and solid phases (food, soil,

sediment, or fine particles suspended in air or water) in the environment. Biomonitoring is the use

of organisms to monitor contamination and its possible effects on biota (at individual level,

population, or communities) and ecosystems

4 W. Espejo et al.



identify additional documents on the issue not previously found. Selection criteria

strictly corresponded to trace element concentrations on the basis of dry weight

(dw) based on studies performed in situ.

Subsequently this information was summarized in tables. Mean levels of expo-

sure to trace elements in penguins were compared with other marine, aquatic, or

terrestrial birds from different parts of the world. In addition, maps of the distribu-

tion of penguins were included along with records of trace elements, based on the

identification of the different colonies of penguins worldwide (Boersma 2008).

Information about the investigations related to the exposure and effect of trace

elements in penguins was also considered.

A bubble chart was built upon mean concentrations of each trace element

reported in gentoo penguins (Pygoscelis papua) at South Shetland Islands to see

similarities and differences according to biological matrices. First, concentration

values were normalized by log (x + 1) to remove any weighting from dominant

peaks and then analyzed with a Bray-Curtis similarity matrix (Clarke et al. 2006).

Finally, the resultant similarity matrix was analyzed in a two-dimensional

multidimensional scaling (MDS) plot.

Values of the trophic transference coefficient (TTC), as the ratio between the

level of a certain element in the penguin’s body (liver, kidneys, bones, and muscles

together) and the level of the element in stomach contents (Suedel et al. 1994), were

calculated taking into consideration the mean concentration of each element.

3 Exposure to Trace Elements and Its Effects on Penguins

Trace element concentrations measured in different biotic matrices of different

species of penguins are presented in Tables 1, 2, 3, 4, 5, 6, 7, 8, and 9. The most

commonly reported trace elements in penguins are Al, As, Cd, Cu, Hg, Mn, Pb, and

Zn, whereas the gentoo penguin is the species that displays the highest concentra-

tion of most trace elements studied. Other trace elements such as Co, Cr, Fe,

Ni, and Se have been poorly studied (Szopińska et al. 2016). Levels of Fe

(23.37–164.26 μg/g) have been reported in feathers of pygoscelid penguins from

Antarctica (Metcheva et al. 2006; Jerez et al. 2011). In the same matrix and region,

levels of Se (1.8–2.0 μg/g) have been linked with a major exposure to Cd and Hg

(Jerez et al. 2011), since Se is known to have a detoxifying effect of these metals

(Smichowski et al. 2006). Cobalt levels have been reported in feathers of chinstrap

and gentoo penguins from Antarctica (0.17–0.25 μg/g, Metcheva et al. 2006).

Nickel has been reported in chinstrap penguins from Antarctica in feces

(3.2–3.7 μg/g), liver (0.07 μg/g), and muscle (<0.03 μg/g) by Metcheva et al.

(2006), and in feathers of pygoscelid penguins (0.24–1.18 μg/g, Jerez et al. 2011).
In the organs of most avian wildlife species from unpolluted ecosystems, Ni

concentrations may vary greatly (0.1–2.0 μg/g, Outridge and Scheuhammer

1993). Chromium levels (1.15–8.08 μg/g) were reported by Jerez et al. (2011) in

A Global Overview of Exposure Levels and Biological Effects of Trace. . . 5
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feathers of pygoscelid penguins from Antarctica. Metals such as Mo, V, or Y have

not been reported in penguins.

Feathers constitute the most common biological matrix used in situ for deter-

mining trace elements in penguins (Table 1). Metals are delivered mainly by the

blood supply, which is linked to the feeding habits of the bird (Metcheva et al.

2006). Some evidence shows that the concentration of Hg in feathers reflects levels

in the blood during formation (Dauwe et al. 2005). Trace element burdens in

feathers express past exposure and accumulation during the inter-moult period,

thus they are more representative of long-term rather than acute exposure, at least

for Hg (Furness et al. 1986). Reports in penguin feathers comprise ten species, most

of which are from Antarctica and subantarctic islands (Table 1). Similarly, there is

plenty of information of trace elements in penguin guano, particularly from Ant-

arctica (Table 8), but there are few data on other species that live in lower latitudes,

except for a study of Humboldt penguins (Spheniscus humboldti) from the coast of

Chile (Celis et al. 2014).

There is very little information on trace elements in penguin eggshells (Table 2),

bones (Table 3), and kidneys (Table 4). Concentrations of trace elements in blood,

brain, testicles, embryo, spleen, and heart of penguins have been poorly investi-

gated (Table 9). Studies of trace elements in the liver of penguins (Table 5)

correspond mostly to species that inhabit the Antarctica and subantarctic islands.

Data of trace elements in muscles of penguins are scarce and they are exclusively

focused on species that inhabit Antarctica (Table 6). Studies on metals in stomach

contents of penguins are scarce and all of them have been carried out in Antarctica

(Table 7).

Trace elements are chemicals that occur in natural and perturbed environments

in small amounts (Prashanth et al. 2016). Their inadequate intake can damage the

function of cells, causing physiological disorders and disease (Soria et al. 1995).

These chemicals can be classified according to their biological significance, as

non-essential and essential trace elements. Non-essential elements, such as Pb, Be,

Cd, Hg, As, Sb, and Ti, have no known function in the animal body, and their

presence may produce toxicity. Essential elements (Cr, Co, Cr, Cu, Fe, Mo, Se, Zn,

and Mn) are required in small amounts because they perform vital functions for the

maintenance of animal life, growth, and reproduction (Nordberg and Nordberg

2016). Some trace elements such as Ni, Sn, V, and Al cannot be yet classified as

essential, as their role is not clear in animals, including humans (Prashanth et al.

2016). In general, the information available on concentrations of trace elements is

fragmented in time and space, so it is not possible to build trends. Therefore,

implementations of monitoring programs that incorporate these variables are

required.
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3.1 Non-essential Trace Elements

3.1.1 Aluminum

The maximum concentrations of Al have been found in stomach contents of gentoo

penguins from King George Island, Antarctica (2595 μg/g, Table 7) and in feathers
of adult chinstrap penguins from Deception Island, Antarctica (203.13 μg/g,
Table 1). In contrast, the lowest concentration of Al (0.55 μg/g) has been reported

in livers of Adélie penguins from Avian Island, Antarctica (Table 5). The high Al

levels found in penguins from King George and Deception Islands could be linked

to the abundance of this metal in bioavailable forms in the sediments of these areas

(dos Santos et al. 2005; Deheyn et al. 2005).

Concentrations of Al in penguin feathers (0.71–203.13 μg/g) are highest in adult
chinstrap penguins at Deception Island, whereas the lowest concentrations are in

juvenile Adélie penguins at Avian Island (Table 1). This range is lower than the

concentrations of Al (96–866 μg/g) in feathers of birds from Europe and North

America (Rattner et al. 2008; Lucia et al. 2010). Highest concentrations of Al

(866 μg/g) have been measured in feathers of osprey eagles (Pandion haliaetus)
(Rattner et al. 2008).

Only one study reports the concentration of Al in penguin eggshells (28.96 μg/g,
Table 2), which is higher than that found by Custer et al. (2007) in seagulls of North

America (3.3 μg/g).
Concentrations of Al in penguin bones (4.16–69.95 μg/g) are the highest

in gentoo penguins from King George Island, while the lowest concentrations are

in chinstrap penguins from the same location (Table 3). Studies on levels of Al in

bones of seabirds are scarce, and the few data in penguins are all from species from

genera Pygoscelis and Aptenodytes, being higher than those of birds from the

Northern Hemisphere (1.37–6.9 μg/g, Dauwe et al. 2005).
In kidneys, Al concentrations (0.69–14.12 μg/g, Table 4) are highest in Adélie

penguins from Avian Island and are lowest in chinstrap penguins from King George

Island. In comparison, Al levels in kidneys of aquatic birds from the Southwest

coast of France (6.1–8.9 μg/g, Lucia et al. 2010) are within the range reported in the
penguin kidneys from Antarctica.

Concentrations of Al in the liver (0.55–15.52 μg/g, Table 5) are highest in

chinstrap penguins from Deception Island (Table 5), whereas the lowest concen-

trations of Al correspond to Adélie penguins from Avian Island. There is little

information about the levels of Al in livers of seabirds, although it is possible to see

that the concentrations of Al in penguins are within the range reported in the aquatic

and terrestrial birds from Europe (0.18–37.3 μg/g) (Scheuhammer 1987; Dauwe

et al. 2005).

In muscles, Al concentrations (1.07–114.88 μg/g, Table 6) are highest in

chinstrap penguins from Deception Island, whereas the lowest concentrations are

in the same species from King George Island. Despite the lack of data on seabirds

from other regions, levels of Al in penguin muscles are higher than those found in a
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study carried out from Europe in muscles of the Great tit (0.08–1.46 μg/g, Dauwe
et al. 2005).

Concentrations of Al in penguin stomachs (46.80–2594.6 μg/g, Table 7) are

highest in gentoo penguins from King George Island, whereas the lowest concen-

trations are in Adélie penguins from Avian Island. This range is higher than the

concentrations of Al (0.22–23.5 μg/g) in stomach contents of wild birds from

Europe (Dauwe et al. 2005).

There is only one measurement of Al in excreta (316 μg/g, Table 8), which is

from gentoo penguins at Livingston Island, showing a deficit of information for this

element. No Al was found in guano of other seabirds. Birds are most likely exposed

to Al through their diets, and most Al is excreted via the feces and only a fraction is

retained (Sparling and Lowe 1996).

In blood, the only existing study corresponds to the little penguin (Eudyptula
minor), and Al concentrations (3.19–4.22 μg/g, Table 9) present less variability and
are within the range reported in the seagulls of the Northern Hemisphere

(1.34–4.11 μg/g, Kim et al. 2013).

The main toxic effects of Al that have been reported in animals are produced in

the central nervous system, though long-lasting exposures can also affect the

skeletal system, decreasing its rate of formation and increasing the risk of fractures.

The functioning of the renal, endocrine, reproductive, and cardiac systems is also

affected by a chronic exposure to this metal (Sj€ogren et al. 2007). In birds, Al is

poorly absorbed and its potential for toxicity is low, thus Al levels in soft tissue do

not necessarily reflect toxicity to the individual (Scheuhammer 1987). Neverthe-

less, there is some evidence indicating that Al found in the bone marrow tissue of

humeri of wild pied flycatchers (Ficedula hypoleuca) can produce small clutches,

defective eggshell formation, and intrauterine bleeding, similar to the symptoms of

Al intoxication in mammals (Nyholm 1981). Al interferes with the deposition of

Ca, resulting in weak bones and eggs, besides affecting the reproductive capacity

(Nayak 2002). No studies have been performed in penguins to determine any

possible effects produced by this metal.

3.1.2 Arsenic

The maximum As concentrations in tissues and organs are in the liver of Adélie

penguins (Pygoscelis adeliae) from King George Island (1.2 μg/g, Table 5) and

kidneys of the same species and location (1.07 μg/g, Table 4). In contrast, the

lowest concentration of As (0.01 μg/g) has been reported in feathers of adult

chinstrap penguins (Pygoscelis antarctica) from Livingston Island, Antarctica

(Table 1). Arsenic tends to accumulate in almost all organs, mainly in the liver

where biomethylation of As takes place producing some kind of acids, such as

monomethylarsonic and dimethylarsonic (Khan et al. 2014).

Concentrations of As in feathers (0.01–0.88 μg/g, Table 1) are highest in adult

gentoo penguins that inhabit Livingston Island, and are lowest in adult chinstrap

penguins from Livingston Island. Arsenic concentrations in feathers of black-
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legged kittiwakes (Rissa tridactyla) and black oystercatchers (Haematopus
bachmani) from Alaska (0.17–0.34 μg/g, Burger et al. 2008) and in feathers of

black-tailed gull chicks (Larus crassirostris) from Korea (0.15–0.44 μg/g, Kim
et al. 2013) are within the range found in the penguins. There is little information on

the levels of As in penguin eggshells (Table 2).

In bones, concentrations of As are highest in gentoo penguins that inhabit Byers

Peninsula (Table 3), while the lowest concentrations are in chinstrap penguins from

Deception Island. Concentrations of As in penguin bones (0.04–0.19 μg/g) are

within the range reported in the aquatic and terrestrial birds of the Northern

Hemisphere (<0.0001–1.60 μg/g, Lebedeva 1997).
In kidneys, As concentrations (0.38–1.07 μg/g, Table 4) are highest in Adélie

penguins from King George Island and lowest in the same species from Avian

island. Arsenic levels in penguin kidneys are within the range found in the kidneys

of passerine birds from the Northern Hemisphere (0.071–1.81 μg/g, Sánchez-

Virosta et al. 2015).

In the liver, the content of As (0.30–1.20 μg/g) is highest in adult Adélie

penguins from King George Island, and the lowest in juvenile same species,

location, and sampling date (Table 5). The highest levels of As in adult penguins

is probably due to the fact that this element accumulates in the animal body, and

thus its level is directly related to the age of the individuals (Khan et al. 2014). The

concentrations of As in penguin livers are lower than those found in seabirds of the

Northern Hemisphere (0.22–5.62 μg/g) (Lucia et al. 2010; Ribeiro et al. 2009;

Skoric et al. 2012).

In muscles, As concentrations (0.18–1.04 μg/g, Table 6) are highest in chinstrap
penguins from Deception Island, and lowest in Adélie penguins from King George

Island. The concentrations of As in penguin muscles are higher than those reported

in wild birds from the Northern Hemisphere (0.01–0.35 μg/g, Gasparik et al. 2010).
In the stomach, As concentrations are highest in Adélie penguins from Avian

Island, and are lowest in the same species from King George Island (Table 7).

Arsenic concentrations in penguin stomach contents (0.28–3.22 μg/g) are higher

than those levels found in wild birds from Europe (0.006–0.76 μg/g, Dauwe et al.

2005).

In excreta, As concentrations are highest in Humboldt penguins from Cachagua

Island (Chile), and lowest in gentoo penguins from O’Higgins Base, Antarctic

Peninsula (Table 8). In general, levels of As in penguin guano (0.15–7.86 μg/g)
are lower than those levels found in guano of wild birds from the Northern

Hemisphere (0.42–16.03 μg/g, Dauwe et al. 2000; Kler et al. 2014).
In blood, the highest As concentration is in the little penguin from Australia

(Table 9). Levels of As in penguin blood (0.67–3.72 μg/g) are higher than those

levels observed in black-tailed gull chicks of the Northern Hemisphere

(0.26–0.48 μg/g, Kim et al. 2013).

Generally, in birds As is initially accumulated in liver and kidneys and subse-

quently it is redistributed to feathers and claws (Sánchez-Virosta et al. 2015). To

counter the effects of exposure to As, organisms have biotransformation mecha-

nisms that decrease its toxicity, in which inactive As metabolites are formed
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(monomethylarsenic and dimethylarsenic), which are more easily removed by the

kidneys (Soria et al. 1995; ATSDR 2007). In ducklings, clinico-pathological effects

caused by sodium arsenate at 30–300 μg/g can produce liver congestion, necrosis

and fibrosis, severe degeneration of brain, and increase mortality (Khan et al. 2014).

In general, the levels of As reported in feathers, blood, and organs of penguins

are below 3 μg/g, the limit considered normal in living organisms (Jerez et al.

2013a), except for the concentrations of As in blood of little penguins that inhabit St

Kilda, on the coast of Australia (3.72 μg/g, Table 6). All the studies performed in

penguins reveal that the concentrations of As are below 50 μg/g known as of

toxicological significance, or that can lead to endocrine disorders (Neff 1997).

3.1.3 Cadmium

This metal is known to bioaccumulate in marine biota from both natural and

anthropogenic sources (Espejo et al. 2014). The maximum concentrations of Cd

(351.8 μg/g) have been found in kidneys of Adélie penguins from Avian Island,

Antarctic Peninsula (Table 4). In contrast, the lowest concentration of Cd

(<0.001 μg/g) has been reported in bones (Table 3) and muscles (Table 6) of

chinstrap penguins and Adélie penguins from Antarctica, respectively. In general,

birds accumulate Cd in their bodies through the food chain, and Cd is first

accumulated in the liver and then transported to several organs (Lee 1996). Cad-

mium concentrations in penguins tended to be higher in kidneys than in the liver, as

also noted in different species of Anseriformes (Jin et al. 2012).

In feathers, the maximum Cd concentrations have been found in adult gentoo

penguins from Livingston Island, and the minimum in juvenile Adélie penguins

from King George Island (0.01–0.50 μg/g, Table 1). In general, Cd concentrations

in penguin feathers are lower than those found in seabirds of the Northern Hemi-

sphere (0.04–1.28 μg/g) (Kim et al. 1998; Agusa et al. 2005; Mansouri et al. 2012).

In eggshells, there is little information on the levels of Cd in penguins (Table 2).

In bones, Cd concentrations (<0.001–0.17 μg/g, Table 3) are maximum in

Adélie penguins from Avian Island, and minimum in chinstrap penguins from

King George Island. The concentrations of Cd in penguin bones are lower than

those reported in bones of seabirds of the Northern Hemisphere (0.03–0.33 μg/g,
Kim et al. 1998).

In kidneys, Cd concentrations (0.2–351.8 μg/g, Table 4) are highest in Adélie

penguins from Avian Island, and are lowest in gentoo and Adélie penguins, both

from King George Island. Cadmium levels in kidneys of gulls (0.90–44.4 μg/g) of
south-western Poland and the Artic (Orłowski et al. 2007; Malinga et al. 2010) are

within the range reported in penguin kidneys. A study found that Cd levels in

kidneys of scoters (Melanitta perspicillata) from the Queen Charlotte Islands in

Canada were as high as 390.2 μg/g, a concentration potentially associated with

renal damage (Barjaktarovic et al. 2002).

In the liver, Cd concentrations (0.06–27.7 μg/g, Table 5) are highest in Emperor

penguins from the Weddell Sea, and are lowest in Adélie penguins from King
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George Island. Cadmium concentrations in penguin livers reveal that 9 of 19 reports

(47.4%) exceeded the threshold levels of toxicity for wild birds (3 μg/g,
Scheuhammer 1987). The Cd levels in penguin livers are comparable with those

levels (0.05–15.1 μg/g) found in seabirds of the Northern Hemisphere (Elliot et al.

1992; Kim and Koo 2007; Pérez-López et al. 2005).

In muscles, Cd levels of seabirds (0.26–0.52 μg/g) from the Northern

Hemisphere (Orłowski et al. 2007; Malinga et al. 2010) are within the range

reported in penguins (<0.001–2.63 μg/g, Table 6). The highest Cd levels are in

Adélie penguins from Avian Island, and are lowest in the same species from

Potter Cove.

In the stomach, Cd concentrations (0.09–2.9 μg/g, Table 7) are highest in Adélie
penguins from Edmonson Point, and are lowest in gentoo penguins from King

George Island. The levels of Cd in penguin stomach contents are far below those

levels of Cd detected in the stomach contents of seabirds from industrialized areas

of Korea (96–217 μg/g) (Kim and Oh 2014b, c).

In excreta, Cd levels are linked to high dietary Cd intake (Ancora et al. 2002). Cd

concentrations (0.16–47.7 μg/g, Table 8) are highest in Humboldt penguins from

Pan de Azúcar Island (Chile), and are lowest in Adélie penguins from the Antarctic

Peninsula. Levels of Cd in penguin excreta are higher than those observed in wild

bird species (0.12–1.88 μg/g) of the Northern Hemisphere (Kaur and Dhanju 2013;

Kler et al. 2014).

In birds, the accumulation of Cd can have adverse effects on health, such as renal

and testicular damage, disorder in the balance of Ca and the skeletal integrity,

reduced feed intake and growth rate, decreased egg laying, thinning eggshells, or

alteration in the behavior of the bird, among other effects (Burger 2008; Furness

1996; Larison et al. 2000; Rodrigue et al. 2007). However, seabirds seem to be less

vulnerable to the exposure to high levels of Cd than other wild organisms and birds

of terrestrial environments (Burger 2008; Furness 1996). Highest Cd concentrations

in tissues of marine birds were in kidney tissue of oceanic birds (Elliot et al. 1992;

Pérez-López et al. 2005; Orłowski et al. 2007; Kim and Koo 2007; Malinga et al.

2010). In Pygoscelis penguins from the South Shetland Islands, a ratio kidney/liver

for Cd concentrations of about 4 means a higher Cd affinity for renal tissue (Jerez

et al. 2013b), thus indicating a chronic or sub-chronic exposure to Cd due to

maternal transfer of this metal during egg development, as occurs in other seabirds

(Agusa et al. 2005). A high exposure to Cd causes significant accumulation of this

metal in the soft tissues, because a small proportion is excreted, and release of Cd

from kidney is very slow (Eisler 1985). Thus, under conditions of chronic dietary

exposure, kidney concentrations of Cd may express long-term accumulation

(Scheuhammer 1987).

Toxic effects of Cd appear in humans and other mammals when kidney Cd levels

reach about 100 μg/g ww (Scheuhammer 1987) or about 400 μg/g dw (assuming a

moisture content of 75% in the sample). Seabirds accumulate a large amount of

metals such as Hg in their liver because they usually occupy the highest trophic

positions in the marine food web and have a long life span (Thompson 1990).

However, birds are relatively resistant to some metals, like Cu (Eisler 1998). The
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process of the metal detoxification in livers of seabirds is well described by Ikemoto

et al. (2004). In penguins, some metals interact with others to activate certain phase

I detoxification mechanisms in the organism. A study carried out by Kehrig et al.

(2015) evidenced a correlation between Se and metallothioneins in liver samples of

Magellanic penguins (Spheniscus magellanicus), indicating that Se would be

involved in detoxification of Cd, Pb, and Hg. Another study showed a positive

correlation between Se and Cd in tissues of chinstrap, gentoo, and Adélie penguins,

which would be related to the detoxifying function played by Se against the toxicity

of Cd (Jerez et al. 2011). In this sense, Jerez et al. (2013a) stated that high levels of

Se (30.6 μg/g) and Zn (126.05 μg/g) can protect chinstrap penguins of Deception

Island at least partially against high Cd levels (27.54 μg/g) of toxicological signif-
icance. However, the accumulation of Cd and Se, and likely other heavy metals, can

cause teratogenic effects in a wide range of birds and animal species (Hoffman

2002; Gilani and Alibhai 1990; Ohlendorf et al. 1988; Franson et al. 2007), and

even micromelia in penguins (Raidal et al. 2006). High Se levels of over 10 μg/g in
liver of aquatic birds can produce hepatic toxicity (Lemley 1993). A study found

that 47% of the samples of livers of penguins from Antarctic Peninsula had Se

levels above the mentioned toxicity threshold (Jerez et al. 2013a). However, when

evaluating Se toxicity and oxidative stress, nutritional factors should be taken into

consideration (Franson et al. 2007).

Studies carried out in colonies of some penguins from Antarctica have shown

that kidney samples collected at Weddell sea and Avian Island present high

concentrations of Cd (270.2 and 351.8 μg/g, Table 4), implying that those seabirds

probably presented a chronic exposure to this metal, with levels above the toxicity

threshold established for birds (Furness 1996).

3.1.4 Mercury

The maximum concentrations of Hg (8.16 μg/g, Table 1) have been found in

feathers of adult gentoo penguins from Crozet Islands. In contrast, the lowest

concentration of Hg (0.005 μg/g) has been reported in eggshells of Adélie penguins
from Admiralty Bay, Antarctica (Table 2). As with most seabirds, penguin feathers

constitute an important way of detoxification of Hg (Yin et al. 2008).

In feathers, Hg concentrations (0.033–8.16 μg/g, Table 1) are highest in adult

gentoo penguins from Crozet Islands (Carravieri et al. 2016). The lowest Hg levels

have been reported in juvenile Magellanic penguins from the coasts of Argentina

(Frias et al. 2012). Mercury concentrations in penguin feathers are lower than those

found in different species of seagulls and terns from Northern Hemisphere

(0.31–20.2 μg/g) (Goutner et al. 2000; Zamani-Ahmadmahmoodi et al. 2014) and

in feathers of birds from various locations of the Chilean coast (0.11–13 μg/g,
Ochoa-Acu~na et al. 2002). Of the thirty-two reports in penguin feathers, only two

studies are in the range of Hg levels (5–40 μg/g) linked to reduced hatched of egg

laid in various bird species (Eisler 1987). Concentrations of Hg of 9–20 μg/g in

feathers can decrease reproductive success in some piscivorous birds (Fimreite
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1974; Scheuhammer 1987; Beyer et al. 1997; Evers et al. 2008). The range of Hg

concentrations reported in penguin feathers are below those known to cause adverse

health and reproductive effects in birds.

In eggshells, Hg concentrations (0.005–0.26 μg/g, Table 2) are highest in Adélie
penguins from Terra Nova Bay (Bargagli et al. 1998), and are lowest in the same

species in Almiralty Bay (Santos et al. 2006). Mercury levels in penguin eggshells

are lower than those reported in marine, aquatic, and terrestrial birds of other

latitudes (0.05–36.37 μg/g) (Yin et al. 2008; Daso et al. 2015).

In bones, a single study reported Hg concentrations (0.02 μg/g, Table 3) in

Adélie penguins that inhabit the surroundings of the Zhongshan Station (Yin et al.

2008). In general, data of Hg in bones of birds are not abundant, because this metal

is not precisely stored in this biotic matrix, making comparisons difficult. In any

case, levels of Hg in penguin bones are 50% lower than those detected in bones of

seagulls from the coasts of Japan (Agusa et al. 2005) and much lower than those in

great cormorants (Phalacrocorax carbo) from Europe (1.4–1.72 μg/g, Skoric et al.
2012).

In kidneys, Hg concentrations (0.146–2.47 μg/g, Table 4) are highest in

Magellanic penguins from the coast of Southern Brazil (Kehrig et al. 2015). The

lowest levels are reported in Adélie penguins that inhabit King George Island

(Smichowski et al. 2006). Mercury concentrations in penguin kidneys are lower

than those detected in kidneys of seabirds from the Northern Hemisphere

(0.3–5 μg/g) (Arcos et al. 2002; Zamani-Ahmadmahmoodi et al. 2014).

In livers, Hg concentrations (0.269–5.7 μg/g, Table 5) are highest in Magellanic

penguins from the coasts of Southern Brazil (Kehrig et al. 2015). The lowest

concentrations of Hg have been reported in Adélie penguins from Potter Cove,

King George Island (Smichowski et al. 2006). Mercury concentrations in penguin

livers are below those reported in seabirds of the Northern Hemisphere

(4.9–306 μg/g, Kim et al. 1996). In birds, sublethal effects of Hg on growth,

development, reproduction, blood and tissue chemistry, metabolism, behavior,

histopathology, and bioaccumulation have been found between 4 and 40 mg/kg

(dietary intake) (Eisler 1987). The concentrations of Hg in liver of Magellanic

penguins from Rio Grande do Sul, Brazil (5.7 μg/g, Table 5) are higher than the

threshold of toxicity for Hg (Kehrig et al. 2015).

In muscles, Hg is reported by a single study in Adélie penguins (0.6 μg/g,
Table 6) from Terra Nova Bay (Bargagli et al. 1998). Levels of Hg in penguin

muscles are lower than those reported in terns and gulls from Asia (0.9–2.5 μg/g,
Zamani-Ahmadmahmoodi et al. 2014).

In stomachs, Hg (0.08–0.10 μg/g, Table 7) is lowest in Adélie penguins from

Terra Nova Bay (Bargagli et al. 1998) and is highest in the same species from

Edmonson Point (Ancora et al. 2002). It was difficult to find more reports of Hg

levels in bird stomachs. Levels of Hg detected in penguin stomachs are much lower

than those measured in intestines of cormorants from Europe (1.29–2.49 μg/g,
Skoric et al. 2012).

In excreta, Hg concentrations (0.06–6.60 μg/g, Table 8) are highest in gentoo

penguins from O’Higgins Base, and are lowest in chinstrap penguins from Barton
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Peninsula, both locations of the Antarctic Peninsula. Levels of Hg in penguin

excreta are higher than those in other marine birds worldwide (0.10–0.75 μg/g,
Yin et al. 2008).

Mercury concentrations in penguin blood (0.84–2.75 μg/g) and in penguin brains
(0.43 μg/g) are been measured in little penguins from Australia and Adélie penguins

from Terra Nova Bay (Antarctica), respectively (Table 9). Those levels are higher

than those found in the blood of black-tailed gull chicks and Great tits from the

Northern Hemisphere (0.03–0.26 μg/g) (Dauwe et al. 2000; Kim et al. 2013).

Mercury concentrations of over 3 μg/g in blood can affect endocrine systems of

Arctic birds with negative consequences for reproduction (Tartu et al. 2013). In

loons (Gavia immer), Evers et al. (2008) reported an adverse effect threshold for

adult birds at 3 μg/g (w.w) in blood and reproductive failure when adult blood Hg

levels reach 12 μg/g/(w.w). Tartu et al. (2016) found that Hg levels (1.0–1.5 μg/g) in
blood of adult kittiwakes can disrupt prolactin secretion (a pituitary hormone

involved in parental care) which could lead to reduced chick survival.

Chronic exposure to metals may imply a threat to penguins. Some evidence

shows that the survival and breeding success decreased with increasing Hg levels in

blood of Artic seabird (2.28� 0.42 μg/g, Goutte et al. 2015). Mercury in its organic

form (methylmercury, ethylmercury) is more lipophilic, which favors its accumu-

lation mainly in the liver, kidneys, brain, and feathers. Inorganic Hg is mostly

accumulated in kidneys, due to its affinity to metallothioneins presented by renal

cells (Byrns and Penning 2011). In seabirds, habitat type and functional feeding

group may influence organic Hg bioaccumulation rates at higher trophic levels

(Chen et al. 2008). The direct effects of elevated organic Hg on marine biota can

include changes in brain neurochemical receptor density (Scheuhammer et al.

2008). In pinnipeds, adverse effects may manifest as immunosuppression

(Lalancette et al. 2003). There are few studies on the effects of metals in feathers

and blood of birds, but evidence exits indicating that concentrations of Hg of 5 μg/g
in feathers of birds can cause reproductive impairment (Burger and Gochfeld 1997),

including smaller egg size, lower hatching rate, decreased chick survival, and even

impaired territorial fidelity in waterfowl (Rothschild and Duffy 2005). The few

studies that exist reveal that the concentrations of Hg in biotic matrices of penguins

from Antarctica are below the stated threshold of toxicological significance for

Hg. In general, Hg levels are lower in most of the biological matrices of penguins

than birds from the Northern Hemisphere.

3.1.5 Lead

Excepting excreta, the maximum concentrations of Pb (almost 1.90 μg/g) have been
found in feathers of adult gentoo penguins from Livingston Island (Table 1) and in

bones of Adélie penguins from East Antarctica (1.60 μg/g, Table 3). In contrast, the
lowest concentration of Pb (<0.001 μg/g) has been reported in kidneys (Table 4),

liver (Table 5), and muscles (Table 6) of gentoo penguins from King George Island.
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Lead is not metabolically regulated (Gochfeld et al. 1996), and unlike Cd, tends to

be accumulated in bird feathers (Jerez et al. 2011).

In feathers, Pb concentrations (Table 1) are highest (almost 1.90 μg/g) in adult

gentoo penguins from Livingston Island. On the other hand, Pb levels are lowest

(<0.01 μg/g) in juvenile Adélie penguins from King George Island. The highest

concentration of Pb in penguin feathers is directly related to major human activity

(Jerez et al. 2011, 2013a). Levels of Pb in penguin feathers are lower than those

concentrations found in feathers (0.34–7.15 μg/g) of different seabirds of the

Northern Hemisphere (Kim et al. 1998; Burger et al. 2008; Ribeiro et al. 2009;

Skoric et al. 2012; Kim and Oh 2014b). Lead concentrations of 4 μg/g (dw) in

feathers are known to be a threshold level for toxicity (Burger and Gochfeld 2000b).

In eggshells, Pb levels in penguin eggshells are rare. The highest Pb concentra-

tions (0.75 μg/g, Table 2) have been found in gentoo penguins from Fildes Penin-

sula (Yin et al. 2008). Levels of Pb (0.68–0.75 μg/g) in eggshells of penguins are

lower than those reported in seabirds (1.25–3.10 μg/g) of the Northern Hemisphere

(Yin et al. 2008; Kim and Oh 2014a).

In bones, Pb concentrations (<0.001–1.60 μg/g, Table 3) are highest in Adélie

penguins from Zhongshan Station (Yin et al. 2008), and are lowest in Pygoscelis
penguins from King George Island and Byers Peninsula (Barbosa et al. 2013; Jerez

et al. 2013a). The concentrations of Pb in bones of penguins are lower than those

reported in bones of marine, aquatic, and terrestrial bones (0.04–42.32 μg/g) of the
Northern Hemisphere (Lebedeva 1997; Kim et al. 1998; Orłowski et al. 2007; Yin

et al. 2008). Lead is known to be a toxic metal, and the skeleton is the main depot

for these elements (Lebedeva 1997). Lead levels >10 μg/g in bone of wild birds are
considered to be toxic, and so may be interpreted as a result of relatively polluted

habitats (Scheuhammer 1987). Bone Pb concentrations higher than 20 μg/g are

considered as excessive exposure for waterfowls (Franson 1996). Levels in penguin

bones are far below those threshold values, which suggest that the biological effect

should be neglected.

In kidneys, Pb concentrations (<0.001–0.55 μg/g, Table 4) are highest in

Magellanic penguins from the coast of Southern Brazil (Kehrig et al. 2015), and

are lowest in gentoo penguins from King George Island (Jerez et al. 2013b).

Concentrations of Pb in penguin kidneys are lower than those of seabirds from

the Northern Hemisphere (0.14–11.18 μg/g) (Kim et al. 1998; Orłowski et al. 2007).

Lead concentrations above 68 μg/g in kidneys of snowy owls (Nyctea scandiaca)
are linked to bird’s mortality (Franson 1996).

In the liver, Pb levels varies from <0.001 to 0.58 μg/g (Table 5) with the highest
concentrations in Magellanic penguins from the coasts of Southern Brazil (Kehrig

et al. 2015). The lowest levels are reported in gentoo penguins from King George

Island (Jerez et al. 2013b). Concentrations of Pb in penguin livers are lower than

values (0.50–3.71 μg/g) found in seabirds of Asia (Kim et al. 1998; Kim and Koo

2007; Kim and Oh 2014c). A study conducted in South Korea (Kim and Oh 2014c)

found that high levels of Pb in liver (6.2 μg/g) could negatively affect both behavior
and growth of chicks of the black-tailed gull. Concentrations of Pb in livers of

penguins are far below this threshold value. Hepatic Pb concentrations of over
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30 μg/g in waterfowls can produce Pb poisoning, which is characterized by impac-

tion of the upper alimentary tract, submandibular edema, myocardial necrosis, and

biliary discoloration of the liver (Beyer et al. 1998).

In muscles, Pb concentrations (Table 6) are highest (almost 0.60 μg/g) in gentoo
penguins from Livingston Island (Metcheva et al. 2010), and are lowest

(<0.001 μg/g) in the same species of King George Island (Jerez et al. 2013b). In

general, the levels of Pb in penguin muscles are lower than those reported in

seabirds (0.014–3.59 μg/g) of the Northern Hemisphere (Kim et al. 1998; Orłowski

et al. 2007).

In the stomach, Pb concentrations (0.03–0.71 μg/g, Table 7) are highest in

gentoo penguins from King George Island, and are lowest in chinstrap penguins

from King George Island. The levels of Pb in stomach contents of penguins are

lower than those levels of Pb (0.059–105.0 μg/g) detected in stomach contents of

seabirds from the Northern Hemisphere (Kim et al. 1998; Kim and Oh 2014b, c).

In excreta, Pb concentrations (0.08–12.79 μg/g, Table 8) are highest in Hum-

boldt penguins from Cachagua Island (Celis et al. 2014), while the lowest levels

were reported in gentoo penguins from Neko Harbor, Antarctic Peninsula (Celis

et al. 2015b). In general, levels of Pb in penguin guano are lower than the

concentrations of Pb (3.90–124.8 μg/g) in guano of aquatic and terrestrial birds

from the Northern Hemisphere (Dauwe et al. 2000; Martinez-Haro et al. 2010; Kler

et al. 2014).

In blood, Pb concentrations (0.04–0.07 μg/g, Table 9) have been measured only

in little penguins from the coast of Australia. Those Pb levels are below the

deleterious effect level of 4 μg/g (Finger et al. 2015), and are also lower than

those reported in gulls from the Northern Hemisphere (0.06–0.18 μg/g, Kim et al.

2013). Some biological functions of birds can be altered when Pb levels in blood

>3 μg/g and Pb levels >6 μg/g can produce uremic poisoning (Franson 1996).

In birds, it has been observed that the exposure to Pb in young individuals of the

herring gull (Larus argenteus) and the common tern (Sterna hirundo) affects

behavioral development, growth, locomotion, balance, search for food, thermoreg-

ulation, and recognition between individuals (Burger and Gochfeld 2000a). Pb is

transported through blood bonded to hemoglobin, reaching the liver, kidneys, bone

marrow, and central nervous system. Nevertheless, Pb can be stored in tissues rich

in Ca such as hairs, feathers, and bones, where it can remain for many years

(O’Flaherty 1998). Lead in penguin bones is accumulated throughout the lifetime

of the individual, and so its presence in bones may be considered an indicator of

long-term exposure (Barbosa et al. 2013). A study for Pygoscelis penguins from
Antarctica found that Cd, Ni, Pb, and Se levels in muscles are long-term dependent

(Jerez et al. 2013a). High concentrations of Cu might increase the effects of

toxicological significance in penguins caused by Pb (Eisler 1988).

Feces can be used to detect adverse toxicological effects in wildlife by means of

porphyrins, which can be correlated with metals measured in the same sample

(Mateo et al. 2016). A study showed a strong affinity between the levels of Pb with

porphyrins in excreta of gentoo penguins (Celis et al. 2012), which may be

associated with hepatic and renal damage (Casini et al. 2003). Available data
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indicate that concentrations of Pb in guano of penguins in the Antarctica have

increased in the last 200 years as a result of greater local anthropogenic activity

(Sun and Xie 2001). Studies that are able to show the possible biological effects of

Pb on these populations of polar seabirds are needed.

Negative correlations between Pb–Cu and Pb–Fe have been found in livers of

Pygoscelis penguins (Jerez et al. 2013a), indicating the capability of Pb (a metal

directly linked to various anthropogenic activities) to use the transport mechanisms

of the essential cations, preventing them from performing their metabolic function

(Ballatori 2002). Penguin species from higher latitudes could be more vulnerable to

the effects of trace elements due to their less effective immunological systems in

such environments in comparison to other species of penguins that live in lower

latitudes (Boersma 2008; Cooper et al. 2009).

There are few studies on the exposure to heavy metals in penguins and it is

necessary to progress in the use of non-destructive biomarkers and non-invasive

matrices (i.e., feathers or fecal material) or semi-invasive such as blood tissue.

Porphyrins have proved to be useful biomarkers of exposure to contaminants

(Casini et al. 2003), because they are capable of bonding to metals and they can

be detected in different biological matrices (De Matteis and Lim 1994). Some trace

metals can interfere with the biosynthesis of hemoglobin and cause alterations in

the porphyrins, which are accumulated or excreted (Casini et al. 2001). Byproducts

such as copro- uro- and protoporphyrins are not toxic in normal concentrations, but

when there is an excess they can affect the liver and bone marrow (Lim 1991). A

study showed a positive correlation between the levels of porphyrins and those of

Hg and Pb in guano of gentoo penguins (Celis et al. 2012). Another study carried

out in Humboldt penguins found that the levels of porphyrins were directly corre-

lated with the concentrations of As, Pb, and Cu, thus there exists a high probability

that these penguins might develop hepatic and renal damage because of the

exposure to these metals (Celis et al. 2014). The higher concentrations of metals

in penguin excreta suggest a physiological mechanism of detoxification (Ancora

et al. 2002), although this may also imply that those trace elements are not absorbed

at the intestinal level. It has been observed that when birds present renal damage

caused by Cd, the levels of this metal in excreta are increased (Goyer 1997). Lead

concentrations in all of the biotic matrices of penguins studied are lower than those

Pb levels found in marine, aquatic, and terrestrial birds of the Northern Hemisphere,

which is highly industrialized and where human population is concentrated.

3.2 Essential Trace Elements

3.2.1 Copper

In general, there are not enough data available on the toxicity of Cu to avian

wildlife. Birds, when compared to lower forms (fish, amphibians) are relatively

resistant to Cu (Eisler 1998). With the exception of excreta, the maximum
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concentrations of Cu have been found in the liver of gentoo penguins from King

George Island (386.1 μg/g, Table 5). In contrast, the lowest concentration of Cu

(0.06 μg/g) has been reported in bones of Adélie penguins from the same location

(Table 3). There is evidence showing that Cu levels of 1050 μg/g in the livers of

eiders can cause liver necrosis and fibrosis (Norheim and Borch-Iohnsen 1990). In

pygoscelid penguins, Cu levels over 24 μg/g in the liver (Szefer et al. 1993) could

represent an additional stress to birds already facing stressful conditions, such as

starvation (Debacker et al. 2000).

In feathers, Cu concentrations (6.87–20.89 μg/g, Table 1) are highest in adult

gentoo penguins from O’Higgins Base (Celis et al. 2015b), whereas they are lowest
in juveniles of the same species from King George Island (Jerez et al. 2013b).

Levels of Cu in penguin feathers are higher than those concentrations found in

feathers of different seabirds (7.56–11.2 μg/g) of the Northern Hemisphere (Kim

et al. 1998; Malinga et al. 2010).

In eggshells, Cu concentrations in penguins are scarce and there is a single study

(1.24 � 0.4 μg/g, Table 2) in gentoo penguins from Livingston Island (Metcheva

et al. 2011). Copper concentrations in penguin eggshells are comparable to those Cu

levels reported in eggshells of birds from other latitudes (0.42–7.54 μg/g) (Dauwe
et al. 2000; Yin et al. 2008; Kim and Oh 2014a).

In bones, Cu concentrations (0.06–1.15 μg/g, Table 3) are highest in colonies of

Gentoo penguins from Byers Peninsula (South Shetland Islands). Concentrations of

Cu in penguin bones are lower than those Cu levels found in bones of marine,

aquatic, and terrestrial birds of the Northern Hemisphere (0.37–60 μg/g) (Lebedeva
1997; Kim et al. 1998; Orłowski et al. 2007; Yin et al. 2008).

In kidneys, Cu has been reported between 1.6 and 19.99 μg/g (Table 4), with the
highest concentrations in Gentoo penguins from King George Island, whereas the

lowest levels correspond to Adélie penguin from Potter Cove (King George Island).

Levels of Cu in penguin kidneys are lower than those found in kidneys of Artic

seabirds (12.2–27.8 μg/g) (Kim et al. 1998; Malinga et al. 2010).

In livers, Cu concentrations (10.91–386.1 μg/g, Table 5) are highest in colonies

of gentoo penguins from King George Island, and are lowest in Adélie penguins

from the same location. The levels of Cu in livers of Antarctic penguins are higher

than those detected in other seabirds of Asia and Europe (0.26–92.5 μg/g) (Kim and

Koo 2007; Pérez-López 2005; Ribeiro et al. 2009; Malinga et al. 2010). A study

found that mute swans (Cygnus olor) from estuaries in Britain had more than

2000 μg/g of Cu in their blackened livers (Bryan and Langston 1992).

In muscles, Cu concentrations (4.43–9.95 μg/g, Table 6) are highest in colonies

of gentoo penguins from King George Island (Jerez et al. 2013a), whereas they are

lowest in Adélie penguins from King George Island (Jerez et al. 2013b). Levels of

Cu in penguin muscles are within the range reported in the muscles of seabirds from

Northern Hemisphere (3.59–18.3 μg/g) (Kim et al. 1998; Malinga et al. 2010;

Orłowski et al. 2007).

In stomachs, Cu levels (4.85–66.42 μg/g, Table 7) presented the highest value in
Adélie penguins from Avian Island, and the lowest levels in the same species from

King George Island. The levels of Cu in penguin stomach contents are higher than
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those detected in seabirds of the Northern Hemisphere (4.89–14.0 μg/g) (Kim et al.

1998; Kim and Oh 2014b).

In excreta, Cu concentrations (37.6–585.8 μg/g) are highest in colonies of Adélie
penguins from Kopaitic Island, and are lowest in chinstrap penguin from the

Antarctic Peninsula (Table 8). Levels of Cu in penguin guano are higher than

those values (10–150.8 μg/g) found in excrement birds from other parts of the

world (Dauwe et al. 2000; Yin et al. 2008; Kler et al. 2014). A study in excreta of

Humboldt penguins found that the levels of porphyrins were directly correlated

with the concentrations of As, Pb, and Cu (Celis et al. 2014), and those birds might

present some hepatic and renal disorder (Casini et al. 2003).

In blood, Cu concentrations (2.14–2.48 μg/g, Table 9) are only reported in little

penguins from Australia. Copper concentrations in penguin blood are within the

range reported in the seagulls, eiders, and ducks of the Northern Hemisphere

(0.64–2.56 μg/g) (Franson et al. 2003; Kim et al. 2013).

In general, marine birds retain a very small portion of Cu and other metals

ingested (Bryan and Langston 1992). Although Cu is an essential metal, in excess it

can produce a series of metabolic, pulmonary, hepatic, and renal toxic effects (Soria

et al. 1995). Copper can increase the toxic effects caused by Pb in birds, fishes, and

invertebrates (Eisler 1988). In birds, Cu is accumulated in the liver and bone

marrow, being associated with metallothionein and thus preventing an excess of

free ions of this element (Eisler 1998). However, this protective mechanism is

limited and lesions can be produced in the liver (ATSDR 2004).

3.2.2 Manganese

Excepting excreta and stomach contents, the maximum concentrations of Mn have

been found in bones (18.35 μg/g, Table 3) and the liver (15.83 μg/g, Table 5) of

gentoo penguins from Byers Peninsula and Adélie penguins from King George

Island, respectively. In contrast, the lowest concentration of Mn (<0.01 μg/g) has
been reported in feathers of juvenile Adélie penguins from Avian Island, Antarctica

(Table 1).

In feathers, Mn concentrations range <0.01–3.26 μg/g (Table 1), with the

highest levels in chinstrap penguins at Deception Island and the lowest in Adélie

penguins at Avian Island. This range in penguin feathers is lower than those found

in seabirds from the Northern Hemisphere (0.003–19.29 μg/g) (Burger et al. 2008;
Kim et al. 2013), and also is lower than Mn levels detected in feathers of adult

seabirds from industrialized and populated areas, such as the Brazilian coasts

(11.4 μg/g, Barbieri et al. 2010).
In eggshells, there is only one study reporting concentrations of Mn

(0.82 � 0.08 μg/g, Table 2) in gentoo penguins from Livingston Island (Metcheva

et al. 2011). Manganese concentration in penguin eggshells is within the range

reported in the seabirds of the United States and Spain (0.29–4.63 μg/g) (Gochfeld
1997; Morera et al. 1997).
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In bones, Mn concentrations (2.5–18.35 μg/g, Table 3) are highest in gentoo

penguins from Byers Peninsula (Barbosa et al. 2013), and are lowest in the same

species from Livingston Island (Metcheva et al. 2010). Concentrations of Mn in

bones of penguins are within the range reported in the bones of marine, aquatic, and

terrestrial birds of the Northern Hemisphere (1.06–30.6 μg/g) (Lebedeva et al.

1997; Kim et al. 1998).

In kidneys, Mn concentrations (3.78–11.18 μg/g, Table 4) are highest in chicks

of Adélie penguins from King George Island during the 2008–2009 austral summer

season, and are lowest in adult Adélie penguins from the same location during

austral summers of 2007–2010. Manganese concentrations are higher in penguin

chicks than those of adult specimens. Although Mn levels detected in individuals of

the same species seem to show a temporal variability, the age of the birds seems to

be relevant; birds regulate Mn primarily by excretion in the feces (Kler et al. 2014),

and probably Mn intake from food in chicks exceeds excretion (Skoric et al. 2012).

Concentrations of Mn in penguin kidneys are within the range found in the kidneys

of Arctic seagulls (<0.01–20.1 μg/g; Malinga et al. 2010).

In the liver, Mn concentrations (6.8–15.83 μg/g, Table 5) are highest in Adélie

penguins from King George Island and are lowest in the same species from the

Antarctic Peninsula. Levels of Mn in penguin livers are comparable to values

reported in seabirds from Asia and Artic (4.14–20.3 μg/g) (Kim et al. 1998; Malinga

et al. 2010).

In muscles, Mn concentrations (0.46–2.55 μg/g, Table 6) are highest in chinstrap
penguins from Deception Island and are lowest in gentoo penguins from the

Antarctic Peninsula. Concentrations of Mn in penguin muscles are slightly lower

than the concentrations of Mn in muscle tissues of Arctic birds (1.84–2.56 μg/g)
(Campbell et al. 2005; Burger et al. 2008).

In the stomach, Mn levels (2.20–82.43 μg/g, Table 7) are highest in gentoo

penguins from King George Island and are lowest in Adélie penguins from Avian

Island. The levels of Mn in penguin stomach contents are higher than those of Mn

(0.98–15.9 μg/g) detected in stomach contents of seabirds from the Northern

Hemisphere (Kim et al. 1998; Kim and Koo 2007).

In excreta, Mn levels (12.3–138 μg/g, Table 8) are highest in chinstrap penguins
from the Antarctic Peninsula and are lowest in gentoo penguins from Livingston

Island. Concentrations of Mn in penguin droppings are within the range

(0.03–221.8 μg/g) found in the guano of different avian species from Asia

(Lebedeva et al. 1997; Kaur and Dhanju 2013; Kler et al. 2014).

In animals, Mn is a neurotoxic metal that can affect several neural activities, and

at concentrations of about 1000 μg/g, it has negative effects on certain brain

functions (Šaric and Lucchini 2007). Mn is distributed via blood linked to proteins

(eg. albumin), being accumulated in tissues rich in mitochondria, such as hepatic

and renal tissue (Erikson and Aschner 2003; Soria et al. 1995). Effects produced by

an acute exposure to Mn include irritation in the digestive tract, respiratory disor-

ders, cardiac ailments, coma, and even death (Soria et al. 1995). In turn, chronic

intoxication with this metal generates neurological, reproductive, pulmonary, and
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immune alterations (ATSDR 2008). The elimination of Mn is produced mainly

through the gastrointestinal tract (Roth 2006).

No research has been done related to the effects of Mn on penguins. It is an issue

because increases in the environmental Mn levels have been related to the current

use of Mn as additive in combustibles (Burger and Gochfeld 2000b). There is recent

evidence showing that Mn levels in hepatic tissues of Antarctic penguins (Jerez

et al. 2013a) are slightly higher than those detected two decades ago (Honda et al.

1986; Szefer et al. 1993).

3.2.3 Zinc

With the exception of excreta, the maximum concentrations of Zn (330.3 μg/g)
have been found in livers of chinstrap penguins from King George Island (Table 5)

and in bones of the same species from Byers Peninsula, Antarctica (Table 3). In

contrast, the lowest concentration of Zn (4.07 μg/g) has been reported in eggshells

of gentoo penguins from Livingston Island, Antarctica (Table 2).

In feathers, the range of Zn concentrations (33.26–119.72 μg/g, Table 1) indi-

cates that the highest concentrations are in adult gentoo penguins from King George

Island (Jerez et al. 2013a) and the lowest are in juvenile same species from Doumer

Island. Zn levels in penguin feathers are similar to those Zn levels found in feathers

of different seabirds of the Northern Hemisphere (42.9–189.2 μg/g) (Kim et al.

1998, 2013; Ribeiro et al. 2009; Lucia et al. 2010).

In eggshells, studies on Zn in penguins are not abundant. Zinc concentrations

(4.07–8.3 μg/g, Table 2) are highest in Adélie penguins from Admiralty Bay, and

are lowest in gentoo penguins from Livingston Island, South Shetland Islands. The

levels of Zn in penguin eggshells are lower than those detected in water birds and

seabirds of the United States and the Artic (9.04–58.1 μg/g) (Custer et al. 2007;
Malinga et al. 2010).

In bones, the range of Zn (81–244.6 μg/g, Table 3) indicates the highest

concentrations are in gentoo penguins from Byers Peninsula, whereas the lowest

concentrations are in the same species from Livingston Island. The concentrations

of Zn in penguin bones are similar to those Zn levels reported in bones of marine

birds of the Northern Hemisphere (83.9–202 μg/g) (Kim et al. 1998; Yin et al. 2008;

Skoric et al. 2012).

In kidneys, Zn concentrations (85.74–234.3 μg/g, Table 4) are highest in Adélie

penguins from Avian Island. In contrast, the lowest Zn concentrations are in the same

species from King George Island. Levels of Zn in penguin kidneys are higher than

those Zn levels found in kidneys of marine birds from the North Pacific and Artic

seabirds (30.2–183 μg/g) (Kim et al. 1998; Sagerup et al. 2009; Malinga et al. 2010).

In the liver, Zn concentrations (72–330.34 μg/g, Table 5) are highest in chinstrap
penguins from King George Island, and are lowest in gentoo penguins from

Livingston Island. Concentrations of Zn in penguin livers are above those Zn levels

found in seabirds of the Northern Hemisphere (14.92–541 μg/g) (Parslow et al.

1973; Kim and Koo 2007; Pérez-López et al. 2005). A study found that a high
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concentration of Zn (541 μg/g) in livers of northern gannets (Morus bassanus)
could be the main cause of the bird’s mortality (Parslow et al. 1973).

In muscles, Zn concentrations (24–163.75 μg/g, Table 6) indicate the highest

concentrations are in Adélie penguins from King George Island, while the lowest

concentrations are in gentoo penguins from Livingston Island. Levels of Zn in

seabirds (53.2–75.5 μg/g) of the Northern Hemisphere (Kim et al. 1998; Malinga

et al. 2010) are within the range found in the penguin muscles.

In stomachs, Zn levels (19.84–71.16 μg/g, Table 7) are highest in Adélie

penguins from King George Island, and are lowest in gentoo penguins from the

same location. Concentrations of Zn in penguin stomach contents are within the

range (6.64–102 μg/g) found in the seabirds of the Northern Hemisphere (Kim et al.

1998; Kim and Koo 2007).

In excreta, the range of Zn (0.83–487.1 μg/g, Table 8) shows the highest concen-
trations in Humboldt penguins from Pan de Azúcar Island, while the lowest levels are

in the same species from Cachagua Island. Concentrations of Zn in penguin drop-

pings are lower than those (100–721.8 μg/g) found in marine birds and different avian

species of the Northern Hemisphere (Yin et al. 2008; Kaur and Dhanju 2013).

In blood, only a single study has measured Zn levels in little penguins

(33.47–38.77 μg/g, Table 9). These levels are within the range detected in the

long-tailed ducks (Clangula hyemalis) and nesting common eiders (Somateria
mollissima) from Alaska (18.2–39 μg/g) (Franson et al. 2003).

Despite the fact that Zn is an essential metal, some pancreas histological damage

has been detected in birds at high Zn levels (Eisler 1993). In birds, Zn accumulated

in liver bonded to metallothionein, though it can also be accumulated in muscles

and bones (Wastney et al. 2000). In seabirds, there is a significant positive corre-

lation between renal Zn and Cd, which evidences a possible effect of

metallothionein synthesis caused by Cd accumulation (Honda et al. 1990; Malinga

et al. 2010). Evidence shows that Zn poisoning in birds usually occurs when the

concentration of this metal exceeds 2100 μg/g in the liver or kidney (Eisler 1993).

The concentrations of Zn in livers of penguins are below 200 μg/g (Table 5),

considered as the threshold value of physiological importance in different species

of seabirds (Honda et al. 1990), except that found in liver of chinstrap penguins

(330.3 μg/g) and in livers of gentoo penguins (237.2 μg/g) from King George

Island. These levels of Zn seem to be related to the great concentration of human

activities present in King George Island (Tin et al. 2009).

4 Similarities and Differences of Trace Elements

4.1 Distribution of Trace Elements

There is great similarity (82%) between concentrations of trace elements in guano

and stomach contents of penguins (Fig. 2). Likewise, the levels of trace elements in
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kidneys and livers present great similarity (81%), which may be due to the fact that

both organs have similar mechanisms of detoxification and biotransformation of

elements (Sánchez-Virosta et al. 2015). Furthermore, there is also 85% similarity

between the concentrations of trace elements in feathers and muscles. Due to

sampling constraints, it is not easy to establish relationships between the concen-

trations in feathers and the concentrations found in the internal tissues of penguins,

even though some previous works have found some relationship between feathers

and muscle tissues for some trace elements in birds (Del Hoyo et al. 1992). Metal

levels in eggs and bones presented no correlation with the other biotic matrices.

Some metals (as Pb, Cd) are not metabolically regulated and tend to be immobilized

in bird bones (Lebedeva 1997) and eggshells (Kim and Oh 2014a). Both biological

matrices are mainly composed of Ca, which is one of the most important plasma

constituents in mammals and birds, and provides structural strength and support to

bones and eggshells (De Matos 2008). Trace elements such as Pb and Cd might

interact with the metabolic pathway of Ca (Scheuhammer 1987).

A high content of elements in penguin excreta imply a physiological mechanism

of detoxification (Ancora et al. 2002), but also imply that elements are not neces-

sarily absorbed at the intestinal level, which reinforces the fact that high concen-

trations of trace elements in feces are likely the result of low intestinal absorption

rather than detoxification mechanisms, and much of the elements ingested by these

seabirds are being excreted. It is observed that when some bird present renal

Fig. 2 Bubble chart for mean concentrations of metals in different biological matrices of

Pygoscelis papua reported from South Shetland Islands. Data taken from Barbosa et al. (2013),

Brasso et al. (2014), Celis et al. (2015b), Espejo et al. (2014), Jerez et al. (2011), Jerez et al.

(2013a, b), Metcheva et al. (2006, 2010, 2011), Santos et al. (2006), Yin et al. (2008)
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damage caused by Cd, the levels of this metal in excreta is increased (Goyer 1997).

In penguins, feathers play an important role in detoxification of Hg and Pb, because

a large amount of these metals from their diets can be transferred into their

plumages (Stewart et al. 1997; Ancora et al. 2002; Jerez et al. 2011). Other metals

such as Cd, Cu, and Zn are mainly eliminated via the feces (Ancora et al. 2002; Yin

et al. 2008). In general, sequestration of metals (such as Hg or Pb) in bird’s feathers
results in decreased internal bioavailability (Jerez et al. 2011; Calle et al. 2015).

Diet, exposure levels, physiological conditions, and the toxic-kinetic mechanisms

regulate the arrival of metals to feathers, as in the case of Hg (Becker et al. 2002).

Redistribution to plumage occurs during feather growth when the feather is

connected to blood vessels, and metals are incorporated in the keratin structure

(Burger et al. 2011). When the feather matures, blood vessels shrivel, and the

feather is no longer supplied with blood, at which point metal deposition to the

feather ceases (Burger 1993). Hg elimination is possible via deposits in eggs,

excreta, uropygial gland, and feathers (Dauwe et al. 2000). In seabirds, Hg concen-

trations in feathers reflect the uptake and storage of this heavy metal during the

period between molts rather than short-term uptake (Furness et al. 1986).

In general, trace element levels in penguins are scarce and fragmented; there-

fore, no correlation analysis is possible now. Data of trace elements available in

Pygoscelis penguins of the South Shetland Islands indicate that the levels of Cd in

gentoo, chinstrap, and Adélie penguins that live there are strongly influenced by

diet, which has also been noted in populations of seagulls from the Northern

Hemisphere (Kim and Oh 2014c). In birds, trace element levels in blood reflect

recent dietary exposure and often correlate strongly with those in internal tissues

(Monteiro and Furness 2001). A study evidenced that blood provides a more precise

indicator of penguin body burden for Al, As, Cd, Cu, Fe, Hg, Pb, Se, and Zn than

feathers (Finger et al. 2015).

At present, most Hg pollution resides in aquatic environments, where it is

converted to methylmercury (Chen et al. 2008). Because of its high affinity with

sulfydryl groups of proteins, this heavy metal is easily incorporated into the food

chain, bioaccumulating in aquatic organisms, and bioamplifying from one trophic

level to the next (Fitzgerald et al. 2007). Some metals such as Zn and Cd among

others might be biomagnified under certain environments such as Antarctica, a cold

place where trophic chains are short and highly dependent on krill (Majer et al.

2014). The whole trophic transference coefficient (TTC) for gentoo penguins at

King George Island is 0.01 for Al, 0.21 for As, 39.55 for Cd, 0.21 for Pb, 1.45 for

Cu, 6.90 for Zn, and 0.05 for Mn (no data were available for Hg levels in stomach

contents of the species at that location). The value of TTC is usually <1 for trace

metals (Anan et al. 2001), except for those metals highly cumulative in the

organism which are biomagnified in the trophic chain, such as Hg (Lavoie et al.

2013). Cd and Zn showed a high cumulative power in gentoo penguins, with TTC

values far above unity. Scientific evidence indicates that Zn, Se, Cu, and Cd tend to

bioaccumulate in aquatic trophic chains (Dehn et al. 2006; Mathews and Fisher

2008). This suggests the possibility of metal biomagnification under specific cir-

cumstances. It has been found that biomagnification of Hg is expressed more
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strongly in cold environments with simple trophic chains (Lavoie et al. 2013). This

issue should be addressed in depth in further studies, considering the diversity of

marine environments in which the different species of penguins feed.

4.2 Geographical Differences

Most studies of levels of trace elements in penguins (Table 10, Fig. 3) have been

carried out in Antarctica and nearby islands. The most reported trace elements are

Pb, Cd, Cu, and Zn. In contrast, Al and Mn are the least reported elements. The lack

of studies on trace elements in penguins from the coasts of Australia, South Africa,

and Galapagos Islands is clearly noted. Most of the field studies of trace elements

are concentrated in the Antarctic and subantarctic areas (>85%), specifically in the

Antarctic Peninsula and South Shetland Islands; the rest of the studies are concen-

trated in the coasts of South America, Subtropical Front (Indian Ocean), and coasts

of Australia. Further studies are needed in order to overcome the huge gap of data

between Antarctica and other territories of more temperate zones where there are

colonies of other species of penguins. Differences in trace element concentrations

in the same species at different sites are evidenced in gentoo penguins, because they

have a large distribution and a very plastic diet depending on site. Gentoo penguins

at Crozet Islands have higher feather Hg concentrations (Carravieri et al. 2016) than

those reported at Antarctic locations (Bargagli et al. 1998). Gentoo penguins at

subantarctic areas have higher feather Hg concentrations than those reported at

Antarctic locations (Table 1). Gentoo penguins at higher latitudes feed largely on

krill (Carlini et al. 2009), whereas they prey mainly on fish at lower latitudes

(Lescroël et al. 2004). Krill is a pelagic low-trophic prey very abundant in Antarc-

tica with lower Hg burden compared to fish (Bargagli et al. 1998; Bustamante et al.

2003).

Due to the lack of data, the comparison of the levels of trace elements among

different species and populations of penguins must be taken with caution. In

general, the concentrations of trace elements are fragmented from the spatio-

temporal point of view, which prevents for now conducting an analysis of tenden-

cies. Hence, the implementation of monitoring programs that incorporate these

variables is required.

4.3 Interspecific Differences

There are 18 species of penguins that inhabit the planet (Garcı́a and Boersma 2013),

but trace metals have been reported only in 11 species, evidencing the information

gap in species such as Eudyptes pachyrhynchus, Eudyptes sclateri, Eudyptes
robustus, Eudyptes schlegeli, Spheniscus demersus, Spheniscus mendiculus, and
Megadyptes antipodes. The species with more elements reported are P. papua,

46 W. Espejo et al.



T
a
b
le

1
0

L
o
ca
ti
o
n
s
an
d
n
u
m
b
er

o
f
st
u
d
ie
s
p
er
fo
rm

ed
o
n
tr
ac
e
el
em

en
ts
in

d
if
fe
re
n
t
sp
ec
ie
s
o
f
p
en
g
u
in
s
w
o
rl
d
w
id
e

R
eg
io
n

L
o
ca
ti
o
n

Ѱ
C
o
o
rd
in
at
es

S
tu
d
ie
sa

M
et
al
s
re
p
o
rt
ed

R
ef
er
en
ce
s

W
es
t
A
n
ta
rc
ti
ca

B
ar
to
n
p
en
in
su
la

1
6
2
� 1
4
0 S
,
5
8
� 4
6
0 W

1
P
b
,
H
g

Y
in

et
al
.
(2
0
0
8
)

P
o
tt
er

co
v
e

2
6
2
� 1
4
0 1
6
00 S
,
5
8
� 3
9
0 5
9
00 W

1
A
s,
cd
,
P
b
,
H
g
,

cu
,
M
n

S
m
ic
h
o
w
sk
i
et

al
.

(2
0
0
6
)

S
tr
an
g
er

p
o
in
t

3
6
2
� 1
5
0 3
2
.0
0
00 S
,
5
8
� 3
6
0 5
4
.0
0
00 W

1
C
d
,
P
b
,
cu
,
Z
n
,

M
n

C
el
is
et

al
.
(2
0
1
5
b
)

A
rc
to
w
sk
i

4
6
2
�
9
0 3
6
00 S
,
5
8
� 2
8
0 2
5
00 W

1
A
s,
cd
,
P
b
,
H
g
,

cu
,
Z
n

C
el
is
et

al
.
(2
0
1
5
a)

K
in
g
G
eo
rg
e
Is
la
n
d

5
6
2
� 0
2
0 S
,
5
8
� 2
1
0 W

4
A
l,
as
,
cd
,
P
b
,

H
g
,
cu
,
Z
n
,
M
n

B
ra
ss
o
et

al
.
(2
0
1
4
);

Je
re
z
et

al
.
(2
0
1
3
a,
b
)

A
d
m
ir
al
ty

B
ay

6
6
2
�
4
0 5
2
00 S
,
5
8
� 2
3
0 4
1
00 W

1
H
g
,
Z
n

S
an
to
s
et

al
.
(2
0
0
6
)

N
ar
eb
sk
i
p
o
in
t

7
6
2
� 1
2
0 S
,
5
8
� 4
5
0 W

1
A
s,
cd
,
P
b
,
H
g
,

cu
,
Z
n

E
sp
ej
o
et

al
.
(2
0
1
4
)

F
il
d
es

p
en
in
su
la

8
6
2
� 1
2
0 S
,
5
8
� 5
8
0 W

1
P
b
,
H
g

Y
in

et
al
.
(2
0
0
8
)

Y
an
k
ee

H
ar
b
o
r

9
6
2
� 3
1
0 6
0
.0
0
00 S
,
5
9
� 4
6
0 4
1
.0

00 W
1

A
s,
cd
,
P
b
,
cu
,

Z
n

E
sp
ej
o
et

al
.
(2
0
1
4
)

L
iv
in
g
st
o
n
Is
la
n
d

1
0

6
2
� 3
7
0 S

6
0
� 2
7
0 W

4
A
l,
as
,
cd
,
P
b
,

cu
,
Z
n
,
M
n

M
et
ch
ev
a
et

al
.
(2
0
0
6
,

2
0
1
0
,
2
0
1
1
);
Je
re
z

et
al
.
(2
0
1
1
)

C
ap
e
S
h
ir
re
ff

1
1

6
2
� 2
8
0 S
,
6
0
� 4
7
0 W

1
A
s,
cd
,
P
b
,
cu
,

Z
n

E
sp
ej
o
et

al
.
(2
0
1
4
)

B
y
er
s
p
en
in
su
la
,
L
iv
in
g
st
o
n
is
.

1
2

6
2
� 3
8
0 S
,
6
1
� 0
5
0 W

1
A
l,
as
,
cd
,
P
b
,

cu
,
Z
n
,
M
n

B
ar
b
o
sa

et
al
.
(2
0
1
3
)

H
an
n
ah

p
o
in
t,
L
iv
in
g
st
o
n
is
.

1
3

6
2
� 3
9
0 1
6
00 S
,
6
0
� 3
6
0 4
8
00 W

1
A
l,
as
,
cd
,
P
b
,

cu
,
Z
n
,
M
n

B
ar
b
o
sa

et
al
.
(2
0
1
3
)

D
ec
ep
ti
o
n
Is
la
n
d

1
4

6
2
� 5
6
0 2
7
00 S
,
6
0
� 3
5
0 3
9
00 W

3
A
l,
as
,
cd
,
P
b
,

cu
,
Z
n
,
M
n

Je
re
z
et

al
.
(2
0
1
1
);

Je
re
z
et

al
.
(2
0
1
3
a,
b
)

(c
o
n
ti
n
u
ed
)

A Global Overview of Exposure Levels and Biological Effects of Trace. . . 47



T
a
b
le

1
0

(c
o
n
ti
n
u
ed
)

R
eg
io
n

L
o
ca
ti
o
n

Ѱ
C
o
o
rd
in
at
es

S
tu
d
ie
sa

M
et
al
s
re
p
o
rt
ed

R
ef
er
en
ce
s

O
’H

ig
g
in
s
B
as
e

1
5

6
3
� 1
9
0 1
5
00 S
,
5
7
� 5
3
0 5
5
00 W

3
A
l,
as
,
cd
,
P
b
,

H
g
,
cu
,
Z
n
,
M
n

C
el
is
et

al
.
(2
0
1
2
);

E
sp
ej
o
et

al
.
(2
0
1
4
),

C
el
is
et

al
.
(2
0
1
5
b
)

K
o
p
ai
ti
c

1
6

6
3
� 1
8
0 5
9
00 S
,
5
7
� 5
4
0 4
7
00 W

2
A
s,
cd
,
P
b
,
H
g
,

cu
,
Z
n

C
el
is
et

al
.
(2
0
1
5
a)
,

E
sp
ej
o
et

al
.
(2
0
1
4
)

M
ik
k
el
se
n
H
ar
b
o
r

1
7

6
3
� 5
3
0 2
2
00 S
,
6
0
� 4
7
0 3

00 W
1

A
s,
cd
,
P
b
,
H
g
,

cu
,
Z
n

E
sp
ej
o
et

al
.
(2
0
1
4
)

H
y
d
ru
rg
a
ro
ck
s

1
8

6
4
�
8
0 4
0
00 S
,
6
1
� 4
0
0 2
2
00 W

1
A
s,
cd
,
P
b
,
cu
,

Z
n

E
sp
ej
o
et

al
.
(2
0
1
4
)

D
an
co

Is
la
n
d

1
9

6
4
� 4
3
0 5
3
00 S
,
6
2
� 3
5
0 4
4
00 W

1
A
s,
cd
,
P
b
,
cu
,

Z
n

E
sp
ej
o
et

al
.
(2
0
1
4
)

R
o
n
g
e
Is
la
n
d

2
0

6
4
� 4
3
0 S
,
6
2
� 4
1
0 W

1
A
l,
as
,
cd
,
P
b
,

cu
,
Z
n
,
M
n

Je
re
z
et

al
.
(2
0
1
1
)

N
ek
o
H
ar
b
o
r

2
1

6
4
� 5
0
0 S
,
6
2
� 3
3
0 W

1
C
d
,
P
b
,
cu
,
Z
n
,

M
n

C
el
is
et

al
.
(2
0
1
5
b
)

G
o
n
zá
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P. adeliae, and P. antarctica. On the other hand, the least studied species are

E. chrysocome and E. chrysolophus. It is necessary to state that the distribution of

trace elements by species from different studies, species, and individuals presents

serious limitations because of temporal variation, spatial variation, diet, individual

specialization, physiological condition, and sex.

In Adélie, gentoo, and chinstrap penguins, concentrations of the essential trace

elements Cu, Mn, and Zn in all biotic matrices exhibited less inter-species variation

than the non-essential Al, As, Cd, Hg, and Pb, expressed through the coefficient of

variation. These results are in agreement with similar findings of other investiga-

tions in seabirds (Honda et al. 1990; Lock et al. 1992). Penguins, by virtue of their

members exhibiting a wide range of trace element burdens, along with variation in

diet, varying moult strategies and variation in their average life spans may explain

inter-species pattern of metal accumulation, storage, and elimination (Thompson

1990; Garcı́a and Boersma 2013). This is an issue that needs to be investigated more.

Diet is one of the most important factors that explain differences in trace element

concentrations among the species. Penguins are useful bioindicators of Hg contam-

ination in their food webs (Carravieri et al. 2016). Feather Hg concentrations in

Eudyptes and Pygoscelis penguins are lower than Aptenodytes penguins, because
they feed at lower trophic levels (Carravieri et al. 2013). One study showed that the

concentrations of Zn, Al, and Mn in feathers were significantly higher in gentoo

than in chinstrap penguins, which could be explained by the different diet and

feeding habits of these species (Metcheva et al. 2006). During the Antarctic

summer, when the breeding season takes place, gentoo penguins feed inshore,

eating mainly crustaceans (68%) and fish (32%), even though foraging areas may

also be included in their diet (Croxall et al. 1997). Also chinstrap penguins feed

almost exclusively on krill, but can feed beyond the continental shelf areas (Espejo

et al. 2014). Concentration of trace elements can differ among colonies of the same

species that live far from each other owing to diet and the presence of chemicals in

waters (Jerez et al. 2011). Similarly, Yin et al. (2008) mention that the difference in

Cu levels among seabirds might be related to different food resources for the

species. The trophic level of the species which is given by diet can be determined

by means of stable isotopes of nitrogen, a method infrequently used in studies of

trace elements in penguins (Brasso and Polito 2013; Brasso et al. 2014; Carravieri

et al. 2016).

5 Summary and Conclusions

In the environment, trace elements are persistent and come from both natural

cycling in the biosphere and anthropogenic activities (Nordberg and Nordberg

2016). For this reason there is a concern about the possible negative effects these

contaminants may have on animals and marine ecosystems (Szopińska et al. 2016).

Birds are excellent indicators of the degree of pollution in the environment, because

they rapidly express the biological impacts of the contaminants that can even be
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extrapolated to humans (Ochoa-Acu~na et al. 2002; Cifuentes et al. 2003; Zhang and
Ma 2011), a remarkable issue considering humans are the most sensitive species to

the toxic effects of some trace elements (Byrns and Penning 2011). The human

population will increase and also increase marine-derived protein consumption.

Most penguins include fish in their diets, such as sprats, myctophid fish, anchovies,

silversides, jack mackerel, and common hake, among others (Garcı́a and Boersma

2013). Many fishes are also consumed by humans, thus these birds might be used as

a bioindicator for human health and as exposure assessment. Most penguins are on

the upper side of the trophic chain and they depend on few species for food.

Consequently, the effects on a particular species might loom as a serious threat to

penguins.

Investigations of trace elements in penguins report mostly the levels of Al, As,

Cd, Cu, Hg, Mn, Pb, and Zn. The most reported metal is Pb, whereas Al is the least

reported. Other metals such as Co, Cr, Fe, or Ni have been poorly studied (Jerez

et al. 2013a; Szopińska et al. 2016). The oldest data dates back to the 1950s and it

was aimed at determining the Hg levels in feathers of King penguins (Aptenodytes
patagonicus) from Crozet Islands, South East of Indian Ocean (Carravieri et al.

2016).

There are 18 species of penguins around the world and trace elements have been

reported in 11 of them (P. papua, P. antarctica, P. adeliae, Aptenodytes forsteri,
A. patagonicus, Spheniscus magellanicus, S. humboldti, Eudyptes chrysolophus,
E. chrysocome, E. minor, and E. moseleyi). Most studies of concentrations of trace

elements in penguins have been focused on the genus Pygoscelis, mainly on gentoo

penguins, followed by Adélie penguins, and finally chinstrap penguins. Other

penguin species such as E. pachyrhynchus, E. sclateri, E. robustus, E. schlegeli,
S. demersus, S. mendiculus, and Megadyptes antipodes have not received any

attention.

The most studied penguin biological matrices are feathers and then excreta,

followed by the liver, kidneys, bones, muscles, and stomach contents. On the other

hand, studies carried out to measure trace elements in blood and internal organs

such as heart, testicles, spleen, or brains of penguins are scarce (Bargagli et al.

1998; Finger et al. 2015; Metcheva et al. 2010; Metcheva et al. 2011). The species

which display the highest concentration of most trace elements are the gentoo

penguin (33%), followed by the Adélie penguin (31%), the chinstrap penguin

(19%), the Humboldt penguin (7%), the Magellanic penguin (6%), and the Emperor

penguin (4%).

The maximum concentrations (μg/g, dw) of Al (2595) have been found in

stomach contents of gentoo penguins from King George Island, and Cd (351.8) in

the liver of Adélie penguins from Antarctic Peninsula. The highest levels of As

(7.9) and Pb (12.8) were found in excreta of Humboldt penguins from the Central

Coast of Chile. Maximum concentrations of Hg (6.6) and Cu (585.8) have been

reported in excreta of gentoo penguin and Adélie penguin, respectively, both from

the Antarctic Peninsula, whereas the maximum Zn levels (487.1) was found in

excreta of Humboldt penguins of Northern Chile. Finally, excepting excreta and

stomach contents, maximum levels of Mn (18.35) are in the bones of gentoo
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penguins from Byers Peninsula (South Shetland Islands). The large variation in

trace element concentrations detected in different biotic matrices of penguins in

Antarctica might be explained because in this continent many pristine places

coexist with locations having major human presence, a situation which rarely

occurs in others areas of the world. Additionally, several other factors can force

variation in trace element concentrations in penguin tissues such as feeding ecol-

ogy, physiological state, species, age class, molting patterns, among others.

In general, Hg, Pb, and Cd concentrations in penguins are lower than those

reported in other seabirds from the Northern Hemisphere, whereas the concentra-

tions of Al and As are otherwise. The concentrations of Cu, Mn, and Zn tend to be

within the range reported in the marine birds of the Northern Hemisphere,

suggesting that those elements are regulated in seabirds (Gibbs 1995). The highest

levels of Cu and Cd correspond to penguins that live in Antarctica, which might be

related to the high levels of these metals detected in the Antarctic krill (Nygard et al.

2001). On the other hand, it has been observed that in the Antarctic Peninsula there

is a natural enrichment of Cd, As, and Al in the trophic chains, due to the local

volcanism (Deheyn et al. 2005). Nevertheless, comparisons could be influenced by

the differences in the diet composition of each of the species (Jerez et al. 2011).

Studies on the effects of trace elements on penguins are scarce. For that reason,

the comparison of data reported in penguins with those obtained from studies

performed on birds at other locations and ecologically different to penguins was

unavoidable. Hence, any comparison to toxic thresholds of trace elements in

terrestrial birds should be taken with extreme caution, because seabirds appear to

be more resistant to toxic effect of most pollutants than are mammals or terrestrial

birds (Beyer et al. 1996). In general, the concentrations of trace elements in the

different organs of penguins are below the toxicity thresholds with negative bio-

logical consequences for seabirds. Some colonies of Humboldt penguins located in

areas with human presence on the coast of Chile might present some pathological

problems due to As, Cu, and Pb (Celis et al. 2014). Some negative effects in the

liver and kidneys of gentoo penguins from the Antarctic Peninsula could be linked

to local Pb contamination (Celis et al. 2012, Jerez et al. 2013a). Levels of Zn in

livers of some colonies of gentoo and chinstrap penguins from King George Island

(Jerez et al. 2013a) exceeded in 19% and 65% the threshold value of physiological

importance for seabirds, respectively (Honda et al. 1990). It seems to be related to

areas of greatest human activities in Antarctica, which are concentrated precisely

on King George Island (Bargagli 2008; Tin et al. 2009). Levels of Cd in livers of

some colonies of gentoo, Adélie, chinstrap, and Emperor penguins that inhabit the

Antarctic Peninsula area, and Magellanic penguins from southern Brazil, which

together represent almost 48% of the reported colonies might be associated with

physiological and ecological problems (>3 μg/g, Scheuhammer 1987). Cadmium

concentrations found in kidneys of Adélie, chinstrap, and Emperor penguin from

some locations of the Antarctic Peninsula (270.2–351.8 μg/g, Table 4), such as

Avian Island, Deception Island, and Weddell Sea, indicate that these birds have

suffered some degree of chronic exposure to this metal (Furness 1996). Further
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studies that correlate the levels of trace metals found in non-invasive samples with

biological effects on penguins are required.

Most studies of concentrations of trace elements in penguins have been carried

out on the Antarctica and subantarctic islands, thus evidencing a lack of data from

other areas where penguins live also, such as Australia, South Africa, South

America, and Galapagos Islands. It is surprising to find studies mainly in Antarc-

tica, since researchers require an adequate implementation and a firm determination

to work under extreme climatic conditions. Perhaps the urge to travel to remote and

poorly explored regions is more important than the simple desire of performing

research in more populated places with more temperate climates where the species

of threatened penguins could be more exposed to contaminants by being in areas

with major human presence.

The trophic transfer coefficient, calculated from the levels of metals available in

gentoo, chinstrap, and Adélie penguins, suggests a possible biomagnification of Cd

and Zn. Due to the fact that scientists have always believed that metals, except Hg,

are not biomagnified, this issue needs to be studied more in different environments

inhabited by penguins.

Most studies of penguins have focused on measuring the levels of exposure in

different biotic matrices. The concentration of metals in tissues and organs of

penguins may have a great toxicological importance. In humans, diseases related

to deficiency of essential trace elements are well known (Nordberg and Nordberg

2016). Further studies with biomarkers are needed in order to evaluate the actual

risks associated with the levels of these contaminants in polar environments with

low ecological diversity, which can increase diseases with consequences for the

health of penguin populations (Boersma 2008).

Little is known about the interaction of metals that might activate certain

detoxification mechanisms of the organism of penguins. It is suspected that Se

could play an important role in the detoxification processes of Hg. The study with

species in captivity could be a good alternative to evaluate the physiological

mechanisms of these species at a given concentration of metals, under a controlled

environment (Falkowska et al. 2013).

In the short term, studies of trace elements in penguins should take into account

the following aspects:

• Incorporation of other metals such as Co, Ni, or Cr and their possible effects in

the organisms of different species of penguins in order to perform more accurate

risk assessments.

• Further toxico-kinetics studies of trace element levels in penguins, including

other tissues and organs, are needed to better understand the overall toxicity in

seabirds.

• Information on metals of the following species is crucial: Eudyptes pachyrhynchus,
Eudyptes moseleyi, Eudyptes sclateri, Eudyptes robustus, Eudyptes schlegeli,
Spheniscus demersus, Spheniscus mendiculus, and Megadyptes antipodes.

• Correlation between the levels of metals in different biological matrices with

their effects on different species and geographic locations is required.
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• Interspecific variation of metals should be addressed more in depth, with iso-

topes of nitrogen being a good tool to understand differences among species.

• The implementation of monitoring programs that incorporate spatial-temporal

data is required for conducting an analysis of tendencies.

• It is crucial to implement uniform monitoring protocols to help unify the data

and make it more comparable.
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Lucia M, André JM, Gontier K, Diot N, Veiga J, Davail S (2010) Trace element concentrations

(mercury, cadmium, copper, zinc, lead, aluminum, nickel, arsenic, and selenium) in some

aquatic birds of the Southwest Atlantic Coast of France. Arch Environ Contam Toxicol

58:844–853

Majer A, Petti M, Corbisier T, Ribeiro A, Theophilo C, de Lima FP, Figueira R (2014)

Bioaccumulation of potentially toxic trace elements in benthic organisms of Admiralty Bay

(king George Island, Antarctica). Mar Pollut Bull 79:321–325

Malinga M, Szefer P, Gabrielsen G (2010) Age, sex and spatial dependent variations in heavy

metals levels in the glaucous gulls (Larus hyperboreus) from the Bjørnøya and Jan Mayen,

Arctic. Environ Monit Assess 169:407–416

Mansouri B, Babaei H, Hoshyari E (2012) Heavy metal contamination in feathers of western reef

heron (Egretta gularis) and Siberian gull (Larus heuglini) from hara biosphere reserve of

southern Iran. Environ Monit Assess 184:6139–6145

Martinez-Haro M, Taggart M, Mateo R (2010) Pb-al relationships in waterfowl feces discriminate

between sources of Pb exposure. Environ Pollut 158:2485–2489

Mateo R, Lacorte S, Taggart M (2016) An overview of recent trends in wildlife ecotoxicology.

Curr Trends Wildlife Res 1:125–150

Mathews T, Fisher N (2008) Trophic transfer of seven trace metals in a four-step marine food

chain. Mar Ecol Prog Ser 367:23–33

Metcheva R, Yurukova L, Teodorova S, Nikolova E (2006) The penguin feathers as bioindicator

of Antarctica environmental state. Sci Total Environ 362:259–265

Metcheva R, Yurukova L, Bezrukov V, Beltcheva M, Yankov Y, Dimitrov K (2010) Trace and

toxic elements accumulation in food chain representatives at Livingston Island (Antarctica).

Int J biol 2:155

Metcheva R, Yurukova L, Teodorova SE (2011) Biogenic and toxic elements in feathers, eggs, and

excreta of gentoo penguin (Pygoscelis papua ellsworthii) in the Antarctic. Environ Monit

Assess 182:571–585

Monteiro LR, Furness RW (2001) Kinetics, dose-response, and excretion of methylmercury in

free-living adult Cory’s shearwaters. Environ Sci Technol 35:739–746

Morera M, Sanpera C, Crespo S, Jover L, Ruiz X (1997) Inter- and intraclutch variability in heavy

metals and selenium levels in Audouin’s gull eggs from the Ebro Delta, Spain. Arch Environ

Contam Toxicol 33:71–75

Nayak P (2002) Aluminum: impacts and disease. Environ Res 89:101–115

Neff JM (1997) Ecotoxicology of arsenic in the marine environment. Environ Toxicol Chem

16:917–927

Newman MC (2015) Fundamentals of ecotoxicology: the science of pollution. CRC Press,

Boca Raton, FL, p 680

Nordberg M, Nordberg GF (2016) Trace element research-historical and future aspects. J Trace

Elem Med Biol 38:46–52

Norheim G, Borch-Iohnsen B (1990) Chemical and morphological studies of liver from eider

(Somateria mollissima) in Svalbard with special reference to the distribution of copper. J Comp

Pathol 102:457–466

Nygard T, Lie E, Rov N, Steinnes E (2001) Metal dynamics in an Antarctic food chain. Mar Pollut

Bull 42:598–602

A Global Overview of Exposure Levels and Biological Effects of Trace. . . 61



Nyholm NE (1981) Evidence of involvement of aluminum in causation of defective formation of

eggshells and of impaired breeding in wild passerine birds. Environ Res 26:363–371

O’Flaherty EJ (1998) Physiologically based models of metal kinetics. Crit Rev Toxicol

28:271–317
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1 Introduction

Tributyltin (TBT) was introduced as a biocide in the 1960s and today its use is

widely restricted by a variety of statutes. Although some countries (and local

governments within those countries) restricted the use of TBT in antifouling paints

as early as 1982 (Alzieu 2000; Champ 2000), it was not until 2008 that a more global

ban was enacted. In that year, the International Convention on the Control of

Harmful Antifouling Systems for Ships required its signatories to ensure that vessels

would no longer use hull paint containing TBT or other organotin chemicals. This

agreement was signed by 74 countries as of the end of October 2016. Unfortunately,

a recent study has confirmed that recreational vessels sampled from countries around

the Baltic Sea still contain high concentrations of TBT and triphenyltin (TPT) and

may be a source to the environment (Lagerstr€om et al. 2016).

The main inputs of tributyltin into the environment are contaminated water and

sediment originating from ports, harbors, marinas, and boat yards due to leaching

from boat paint and improper disposal. Contaminated sediment can be mobilized by

dredging, bioturbation, ship scour, or weather events and TBT-contaminated water

can be carried by currents to previously unimpacted locations. Tributyltin may also

be introduced into the environment by ongoing release from previously treated
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structures (continuous release and during cleaning/renovation) and small-scale

(mis-)use or disposal of prohibited antifouling products. Diffuse exposure may

also arise from the use or disposal of previously TBT-treated wooden articles and

other applications including its use as a stabilizer for PVC products, antifungal

treatment, and as a preservative for wood, paper, and textiles (US EPA 2003).

Tributyltin may be one of the most toxic man-made chemicals ever intentionally

released into the environment, eliciting endocrine-type responses at concentrations

in the range of 1 ng/L for water or 10 ng/g for whole body. Even concentrations in the

range of low μg/L aqueous or low μg/g tissue cause high rates of mortality in many

species. However, outright mortality events due to TBT exposure are relatively rare.

Therefore, the most important environmental consequences result from sublethal

responses. Among them, the development of male sexual characteristics in female

marine gastropods exposed to TBT, a phenomenon known as imposex, has been

abundantly documented (e.g., Gibbs and Bryan 1996a). This abnormality has

resulted in reproductive failure of populations of Caenogastropods globally, leading

to mass extinction and subsequent alterations in community structure and function-

ing of coastal ecosystems (Gibbs and Bryan 1986, 1996b; Hawkins et al. 1994).

The main goal for this review was to examine the available literature on TBT as

an EDC and provide a synopsis on population-relevant responses across major taxa.

Additionally, we highlight the case of TBT as an unusual endocrine disruptor and

discuss some of the reasons why its toxic potential and MeOA went unrealized for

many years. Finally, we use the Organization for Economic Co-operation and

Development (OECD) Conceptual Framework for Endocrine Disruptor Testing

and Assessment to organize the available information on effect assessment and

environmental exposure levels to conduct a tentative retrospective environmental

risk assessment of TBT.

2 Methods

2.1 Literature Search and Selection of Data

To conduct this review, 160 referenceswere selected froman initial list of approximately

965 regulatory reports and open and grey literature, in an attempt to capture relevant data

from original studies on fish (45 references), molluscs (55 references), and other

taxonomic groups including mammals (60 references); these were sorted according to

the type of effect. This was not intended to be an exhaustive review of the extensive TBT

literature, so it is possible that some relevant studies were inadvertently omitted.

2.2 Quality Evaluation of Relevant Data

TBT is a data-rich compound with numerous tests at various levels of biological

organization. However, the vast majority of these studies did not follow
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international standardized test guidelines. Nevertheless, several full or partial life-

cycle tests are available for mammals, fish, and several invertebrate taxa. Data

previously validated for regulatory reviews (e.g., EU 2005; US EPA 2003, 2008)

were assumed reliable; however, as far as possible, original studies were used as

sources of data. Other ecotoxicity studies were quality checked and scored using

Klimisch scores (e.g., using the ToxRTool: https://eurl-ecvam.jrc.ec.europa.eu/

about-ecvam/archive-publications/toxrtool). Only studies ranked as Klimisch

1 and 2 were used for the subsequent analysis (although a small number of papers

ranked as Klimisch 3 or 4 were used as supporting information if their findings were

verified by other studies). However, Klimisch scores do not apply to field studies,

which were a major source of data. Similarly, histopathological investigations are

difficult to evaluate using these criteria. Therefore, expert judgment was used to

evaluate the validity/credibility of these studies.

Many laboratory studies were performed using static or semi-static exposure

regimes, and the reported effect concentrations were frequently based on nominal

concentrations, due to a lack of analytical verification of the test concentrations

over the study duration. TBT is adsorptive and test concentrations in non-flow-

through studies are likely to be highly variable. This also means that equipment can

easily be contaminated, thus affecting the actual exposure concentrations. In addi-

tion, a variety of units have been used to express the TBT concentration in the

literature. To aid comparisons between studies, concentrations are expressed here-

after in a common unit (TBT ion). However, for simplicity and since the difference

in molecular weight is small, any concentrations reported as TBTO (bis(tributyltin)

oxide) or TBTCl (tributyltin chloride) were assumed to be effectively the same as

TBT. Conversion to TBT was therefore made when the unit was originally

expressed in terms of tin (Sn) and was accomplished by applying a factor of 2.44,

which is the difference in molecular weight.

Other important limitations of the data included wide spacing between test

concentrations and consequently between the LOEC and NOEC in some laboratory

studies (very few report data in terms of ECx values), poor methodological descrip-

tions/statistical analyses, and uncertainties in the association between reported

dissolved concentrations and observed effects in field studies (since the concentra-

tion at the time of adverse event initiation may be different, and organisms may

accumulate TBT over a long period).

3 Environmental Fate and Occurrence

3.1 Physical and Chemical Properties

Several tributyltin compounds exist, but in general they all rapidly dissociate in

water to form the tributyltin (TBT) cation, which is the toxic moiety. An example is

bis(tributyltin) oxide (“tributyltin oxide” or TBTO), which has a vapor pressure of

less than 0.016 Pa at 20 �C, a water solubility in the range 0.7–71 mg/L at 20 �C
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(depending on pH), and an octanol-water partition coefficient (Kow) around 3.5 (as a

log value) (e.g., ECHA 2008; EU 2005; US EPA 2003). The pH-specific Kow (Dow)

for TBT is constant above pH 6 (Arnold et al. 1997). An organic carbon-water

partition coefficient of 32,000 (log10 Koc ¼ 4.5) was proposed by Meador (2000).

3.2 Uses

Historically, TBT compounds were widely used as biocides in antifouling products,

parasite control products, and wood preservatives. Regulatory controls have been

implemented in many jurisdictions (e.g., under the International Maritime

Organization’s Anti-Fouling Systems Convention), but some residual biocidal

uses in these and other types of industrial and consumer products (including

sports clothing) may still occur in some parts of the world (Antizar-Ladislao

2008; Choudhury 2014). They are also used as chemical intermediates for the

production of other organotins (e.g., dibutyltin stabilizers for PVC), and may

therefore occur as unintentional impurities (e.g., OECD 2007). However, these

uses are declining.

3.3 Metabolism

TBT can be metabolized sequentially by cytochrome P450 (CYP450) enzymes to

dibutyl- and monobutyltin (e.g., Cooke et al. 2008; Strand et al. 2009). Metabolic

capabilities vary widely among taxa (e.g., Ohhira et al. 2003, 2006a, b; Bartlett

et al. 2007; Oehlmann et al. 2007; Yang et al. 2009) and even between sexes in

mammals (Ohhira et al. 2006b). High bioaccumulation levels in invertebrates and

fish are believed to be due to a low capacity for metabolism/excretion and high rates

of uptake (Meador 1997).

3.4 Potential Exposure Routes

TBT has a degradation half-life of days to months in water and up to several years in

sediment (e.g., ECHA 2008). It is very bioaccumulative, with whole fish

bioconcentration factors in the range 2000–50,000 L/kg. The bioaccumulation

potential in molluscs can be higher, but is generally similar to that for fish (e.g.,

Meador 2006; ECHA 2008). TBT bioaccumulation does not follow equilibrium

partitioning (Meador 2000). Consequently, some fish exhibit high bioaccumulation

factors, which may result from high rates of ventilation. Aquatic organisms can be

exposed via both the water column and ingestion of contaminated food (including

sediment), although there are no data to suggest that biomagnification occurs in
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food webs. Terrestrial organisms may also be exposed via TBT-contaminated

sediments (e.g., during flood events or disposal of sediment dredging), application

of biocidal products and/or contaminated sewage sludge to soil, atmospheric

deposition, and by ingestion of contaminated food or water (Antizar-Ladislao

2008; Silva et al. 2014).

3.5 Environmental Concentrations

For this review we did not conduct an exhaustive search for environmental con-

centrations, but examined past compilations. Several review articles describe the

occurrence of butyltins in water from locations around the world over the past

several decades (Fent 1996; Antizar-Ladislao 2008). More recent monitoring

performed in English and Welsh estuarine surface waters during 2012–2014 was

selected as representative of current aquatic levels in a region known to be previ-

ously contaminated (UK Environment Agency, pers. com. 2016). The dataset has a

number of non-detects; however, the following information is considered to be

reasonably conservative for aqueous concentrations: 90th percentile: 0.5 ng/L;

arithmetic mean: 0.3 ng/L; median: 0.2 ng/L; range: 0.1–8 ng/L (n ¼ 269; two

outlier values, 44 and 1368 μg/L, were removed prior to the calculation).

A recent review of tissue concentrations for biota from a variety of countries

indicated relatively high TBT concentrations in molluscs, fish, aquatic birds, and

marine mammals ranging from low ng/g to low μg/g concentrations, although there
were indications of significant decreases with time in some species (Elliott et al.

2007; Mizukawa et al. 2009; Meador 2011).

4 Primary Molecular Initiating Event (MIE)

4.1 In Vitro and In Silico Analyses

Binding to a member of the nuclear receptor superfamily is a common MIE

associated with endocrine and metabolic pathways. All relevant in vitro assays

currently utilize mammalian receptors, assuming interspecies conservation of the

structural and functional aspects of each receptor. Among those methods,

ToxCast™ uses high-throughput screening methods and computational toxicology

approaches to rank and prioritize chemicals. For the US EPA’s Endocrine Disrup-
tion Screening Program (EDSP), the initial focus of these screening methods has

been on estrogen, androgen, and thyroid (EAT) hormone interactions. Analysis of

TBT using ToxCast™ identified activity in ER and AR assays at levels generally in

excess of the cytotoxicity limit (Fig. 1). In addition, the EDSP21 Dashboard

identified TBT as inactive for EAT screens (http://actor.epa.gov/edsp21/).
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However, TBT activity in RXR and PPAR assays typically occurred at levels less

than the cytotoxicity limit and at lower levels than most ER or AR assays. Thus,

ToxCast™ identified the potential of TBT to act through activation of RXR and/or

PPAR pathways, although TBT may have been missed as a potential EDC if

screening was limited to EAT-related assays alone.

Using an RXR-permissive PPARγ reporter cell line, Grimaldi et al. (2015)

demonstrated that, among other butyltins, TBT is able to activate RXR at

nanomolar concentrations. Structural profiling using in silico 3D-modelling of

the ligand-binding pocket (LBP) of the mollusc Lymnaea stagnalis RXR showed

that amino-acid residues involved in the binding of RXR ligands (organotins,

including TBT, and cis-9-retinoic acid) are identical between Lymnaea and humans

(Boulahtouf et al. 2015). In addition, the RXR receptor from the freshwater

mollusc Biomphalaria glabrata does not only bind retinoic acid, but also activates

transcription (Bouton et al. 2005). Other studies on invertebrate RXRs have

identified significant differences in the LBP as well as a number of mutations

that result in low or no affinity of RXR for their vertebrate ligands (all retinoic

acids). These include the retinoic acid receptor (RAR) from the marine snail

Nucella lapillus (Gutierrez-Mazariegos et al. 2014) and the RXR from Daphnia
magna (Wang et al. 2007), highlighting a knowledge gap regarding the natural

ligands relevant to RXR signaling pathways in invertebrate species. We anticipate

that with the increasing genomic resources for these important phyla, both the

structure and the function of nuclear receptors such as RXR can be further

elucidated. This will aid not only our understanding of evolutionally processes

but also the risk posed by chemicals such as TBT, which can activate these

important transcription factors.
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Cytotoxicity Limit (0.66 µM)

Fig. 1 Selected ToxCast™ nuclear receptor family AC50 data for TBT (downloaded March

2016). CYP Cytochrome P450, PXR pregnane X receptor, RXR retinoic X receptor, PPAR
peroxisome proliferator-activation receptor, GR glucocorticoid receptor, ER estrogen receptor,

AR androgen receptor
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4.2 Weight-of-Evidence for RXR and PPARΥ Pathways

4.2.1 Molluscs

From both in vivo (including injection experiments) and in vitro (transactivation

assays) studies, there is strong evidence that TBT interacts with RXR in both

marine (e.g., Castro et al. 2007) and freshwater (Boulahtouf et al. 2015) gastropod

species. Such interactions were observed at TBT concentrations of 1 nM TBT

(equiv. 290 ng TBT/L) in transactivation assays and 1000 ng TBT/g body wet

weight through injection. It has also been shown that RXR gene transcription is

modulated by TBT, with an increase in the penis-forming area of imposexed

females (Lima et al. 2011). Hence, interaction of TBT with RXR seems to be the

main molecular event initiating changes in the development of sexual organs in

female snails, ultimately resulting in imposex. Importantly, imposex can be induced

by cis-9-RA, the natural ligand of RXR (Nishikawa et al. 2004; Castro et al. 2007).

More recently, the use of an open transcriptomic approach supported the involve-

ment of steroid, neuroendocrine peptide hormone dysfunction and retinoid mech-

anisms in imposex induction by chronic exposure to TBT in Nucella lapillus
(Pascoal et al. 2013). This study also suggested the involvement of PPAR pathways

and showed that rosiglitazone, a well-known vertebrate PPARγ ligand, induced

imposex. Nevertheless, although it is certain that activation of RXR and/or

RXR/PPAR is the MIE, the mechanistic links with subsequent pathways remain

largely unexplained.

However, other primary molecular mechanisms for TBT effects have also been

proposed. These include the activation of gonadotropin releasing hormone receptor

(GnRHR) along with the gonadotropin releasing hormone (GnRH) (Castro et al.

2007). In Octopus vulgaris, it has been shown that a GnRH-like peptide contributed
in vitro to an elevation of basal steroidogenesis of testosterone, progesterone, and

17β-oestradiol, in a concentration-dependent manner in both follicle and sperma-

tozoa (Kanda et al. 2006). Another hypothesis formed around the imposex phe-

nomenon suggested that TBT is a neurotoxicant, causing the aberrant secretion of

neurohormones, primarily the neuropeptide APGWamide, which regulates male

sexual differentiation in molluscs (Oberdorster and McClellan-Green 2002). How-

ever, the body of literature is not large enough to allow full evaluation of these

additional or alternative pathways.

For many years, the mechanism of TBT-induced imposex was dominated by the

steroid hypothesis. This was primarily due to researchers measuring high levels of

free testosterone in tissues of impacted molluscs. The link between free testosterone

and penis formation was made and supported by numerous publications (e.g.,

Oehlmann et al. 2007). Despite extensive experimental efforts, treatment with

either testosterone or fadrozole (a potent aromatase inhibitor) did not replicate

this condition (e.g., Iguchi and Katsu 2008). Although it is well established that

TBT does affect many CYPs (including those involved in vertebrate steroidogen-

esis) and other metabolizing pathways (e.g., esterification), these effects alone do

not constitute evidence of a physiological role for these steroids in molluscs. In fact,
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both the origin and physiological role of sex steroids in molluscs are still contro-

versial (for reviews see Scott 2012, 2013). Current data suggest that they are likely

to be accumulated from the environment. Gooding and Leblanc (2001) provided the

first evidence on the ability of molluscan species to take up steroids from water,

which was further supported by additional studies (e.g., Janer et al. 2004). More

recently, a comprehensive evaluation for steroid uptake by both gastropod snails

and bivalve molluscs (Giusti 2013; Giusti et al. 2013a; Schwarz 2015; Schwarz

et al. 2017a, b) revealed that this process is very rapid, does not seem to have a

saturation limit and is particularly strong for testosterone. Following steroid uptake

from the environment, molluscs appear to esterify them (Giusti and Joaquim-Justo

2013) and store them as fatty acid esters through the action of acyl-CoA:

testosterone acyl transferase (ATAT) (Janer et al. 2004: Gooding and Leblanc

2001). The retention of steroids as fatty acid esters appears to persist as there is

little to no depuration, particularly of estradiol, testosterone, and progesterone from

either snails or bivalves placed in clean water for up to 10 days (Schwarz 2015;

Schwarz et al. 2017a, b).

Inhibition of either CYPs or phase II metabolism by TBT inevitably will reduce

steroid clearance and metabolism, leading to an increase in free steroids. It has been

suggested that TBT acts by reducing the retention of testosterone as fatty acid-esters,

thus increasing the levels of free testosterone. This may play a role in the develop-

ment of male sexual organs in females (LeBlanc et al. 2005). However, LeBlanc

et al. (2005) added that two assumptions must be met before this putative causative

relationship between TBT, testosterone, and imposex can be accepted. First, it must

be accepted that testosterone is a male sex-differentiating hormone in molluscs and

second, TBT specifically targets some component of the testosterone regulatory

machinery causing the aberrant accumulation of this hormone in the snails. None of

these has been proven to date. The lack of a nuclear AR or AR-like homologues in

the genomes ofmolluscan species studied to date supports the lack of a physiological

role for androgens in these species (Kaur et al. 2015; Vogeler et al. 2014).

4.2.2 Fish

The MIE for reproductive and metabolic impairment in fish is also expected to

occur via the RXR and/or PPAR receptors. Lima et al. (2015) exposed zebrafish to

only one dose each of TBT, cis-9-RA, and all-trans-retinoic acid in the diet. TBT at

this one dose (2.4 μg/g in diet) affected fish weight, fecundity, and sex ratio;

however, the natural RXR ligand (cis-9-RA) at 5 μg/g in diet did not. Zhang et al.

(2013b) reported significant activation of RXRα in male rockfish (Sebastiscus
marmoratus) brain when exposed to TBT at 2.4, 24, and 244 ng TBT/L. Female

rockfish exhibited the opposite pattern with significant reductions in expression at

the two highest doses. No differences in expression of PPARγ were found for males

or females at any dose. Several studies reported TBT-induced effects on

adipogenesis via RXR/PPAR activation (Meador et al. 2011; Tingaud-Sequeira

et al. 2011; Ouadah-Boussouf and Babin 2016).
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How exactly the RXR/PPAR activation affects reproduction in fish however is

poorly understood. Diverse evidence point to the existence of RXR/PPAR and ER

cross-talk. It has been shown however that PPAR and RXR, or their heterodimer,

can bind directly to estrogen responsive elements (EREs) in the gene promoters

(Nunez et al. 1997). Other studies suggest that RXR/PPAR activation directly

affects CYP expression, including aromatase (Cheshenko et al. 2008). A PPAR/

RXR responsive element was predicted in the zebrafish CYP19β promoter (Kazeto

et al. 2001) whilst a RAR binding region was identified in the tilapia CYP19

promoter (Chang et al. 2005). This was further supported by in vitro studies with

mammalian cell lines where TBT binding to RXR and PPAR leads to modulations

of CYP19 expression (Nakanishi et al. 2005, 2006).

4.2.3 Mammals

As described above, Kanayama et al. (2005) presented some of the first evidence of

the implication of the RXRα and PPARΥ pathways in TBT-mediated endocrine

effects in mammals, and also proposed that this pathway is the likely route for the

low-dose imposex response in gastropods. Additional studies (Nakayama et al.

2005; Grün et al. 2006; Le Maire et al. 2009) provided further data showing that

TBT exerts its biological effects via transcriptional regulation of gene expression

through activation of these receptors, implicating this pathway in the adipogenic

effects of TBT. Mammalian aromatase gene expression is also regulated through

the RXRα/PPARΥ pathway by various ligands, including TBT. However, the

direction of the regulation in response to TBT appears to be dose- and tissue-

specific, potentially because aromatase is regulated through tissue-specific pro-

moters (Simpson et al. 1993).

4.2.4 Summary

Retinoic acid binds to both RAR and RXR regulating the transcription of 500 genes

involved in a large array of biological processes (Blomhoff and Blomhoff 2006).

RA has long been recognized as a morphogen, important for axial patterning and

organ formation in developing vertebrates. An adverse outcome pathway for neural

tube and axial defects modulated by retinoic acid in vertebrates (including man) has

been proposed (Tonk et al. 2015). This analysis was based on data from rat whole

embryo culture, embryonic stem cells and the zebrafish embryotoxicity test, and

identified certain conserved pathways on RA signaling between mammals and fish.

Adverse effects in vertebrates included craniofacial and limb malformations/

defects, which suggests that the TBT-induced developmental abnormalities in

mollusks, such as shell abnormalities (Alzieu et al. 1986), and imposex are different

expressions of disruption of the same pathway. Analysis of genomic data revealed

that the important morphogenic role of RA does not only extend to invertebrate
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chordates (tunicates and cephalochordates), but also to other invertebrate groups,

such as hemichordates and sea urchins (Campo-Paysaa et al. 2008).

Altogether evidence suggests that most of the endocrine effects of TBT have

their origin in RXR and RXR/PPAR activation. An important determinant of the

severity and magnitude of responses in different species is the structure of the

ligand binding domain, as studies have demonstrated the evolutionary plasticity of

this domain, whilst the function of RAR, RXR, and PPAR appears to be largely

conserved.

5 Toxic Effects Plausibly Mediated by Endocrine

Disruption

5.1 The OECD Conceptual Framework for Endocrine
Disruptor Testing and Assessment

As previously mentioned, few studies were performed according to standard test

guidelines that correspond to the OECD Conceptual Framework for Endocrine

Disruptor Testing and Assessment (CFEDTA; see Table 1 of the Annexes)

(OECD 2012a, b). Non-standard studies do not necessarily fit within the different

levels of this framework. Hereafter, the studies with TBT are therefore organized

according to the test design, including the exposure duration and portion of the life-

cycle exposed, and to the type of biological responses. As ECx were not always

provided or could not be deduced from the study, endpoints are mainly reported as

LOEC and/or NOEC.

Standard ecotoxicology data characterizing acute toxicity endpoints were not

reviewed in any great detail for this review because overt toxicity did not impact the

evaluation of endpoints relevant to endocrine disruption. Acute toxicity for sensi-

tive species was generally one to two orders of magnitude greater than LOECs for

the relevant chronic apical and endocrine disruption endpoints.

5.2 Non-test Approach: Summary of Toxicological
Information

The level 1 of the OECD CFEDTA corresponds to non-test information that can be

used to define the general toxicological profile of a chemical with respect to its

endocrine disruption properties (OECD 2012a). QSAR analyses have been

conducted in some organisms (e.g., green algae; Neuwoehner et al. 2008). How-

ever, they only provide patchy information and do not appropriately cover taxa of

interest such as molluscs or fish. Therefore, in the context of the present review,

TBT has been evaluated in the US EPA’s ToxCast™ program (http://epa.gov/ncct/

toxcast/). It was classified as being a “promiscuous” chemical because it exhibited

Tributyltin: Advancing the Science on Assessing Endocrine Disruption with an. . . 75

http://epa.gov/ncct/toxcast/
http://epa.gov/ncct/toxcast/


activity in approximately 285 assays across 20 target families (Fig. 2). This type of

profile suggests that TBT will act across a number of toxic pathways potentially

including endocrine and non-endocrine molecular initiating events.

5.3 Invertebrates

5.3.1 In Vitro Assays

In molluscs, few studies have reported the use of in vitro assays for identifying

initial endocrine mechanisms (i.e., MIE) due to TBT exposure. These studies

employed transactivation assays using mammalian cells transfected with RXR

from Thais clavigera (Urishitani et al. 2013) and Lymnaea stagnalis (Boulahtouf
et al. 2015). The results demonstrated that TBT binds the LBD of RXR in these

species, and its affinity is equivalent to that of 9-cis-RA, the natural ligand of RXR.

5.3.2 Physiological Responses

In the reproductive tissues of female dog whelk N. lapillus, RXR gene transcription

is increased in the penis-forming area associated with the formation of a penis
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and/or vas deferens (Lima et al. 2011). In this species, 9-cis-RA is as potent as TBT

in inducing imposex, indicating that TBT toxicity in gastropods is mediated through

the modulation of the RXR signaling pathways (Nishikawa et al. 2004; Castro et al.

2007). It should be noted that imposex is also induced by rosiglitazone, a PPARγ
agonist, suggesting that the heterodimer of RXR-PPAR is a critical pathway for this

phenomenon, at least in N. lapillus (Pascoal et al. 2013). This study also suggested

that other transcription factors such as LXR and lipophilic orphan receptors are

involved in the TBT toxicity pathway.

Interestingly, TBT appears to affect the endocrine system of insects as well

(Hahn and Schulz 2002). In an in vivo study on Chironomus riparius, an environ-

mentally relevant concentration of TBT (1 ng/L) showed effects on many

endocrine-related genes, including up-regulation of the ecdysone receptor, the

ultraspiracle gene (the orthologue of RXR in insects), the estrogen-related receptor,

and the E74 early ecdysone inducible gene, whilst the vitellogenin (Vtg) gene

remained unaffected (Morales et al. 2013). The same study showed genotoxic

effects of TBT in insects by means of the comet assay.

5.3.3 Organismal Effects

A wide variety of organ responses are known in molluscs exposed to low concen-

trations of TBT. These include penis development in female snails, abnormal testis

histopathology, and sperm alteration (count, motility, abnormality). These

responses occur in the 1–10 ng TBT/L range for aqueous concentrations in the

environment (e.g., Horiguchi et al. 1994; Leung et al. 2006) and 10 to 100 ng TBT/g

wet weight (ww) whole-body tissue (Meador 2011) in affected gastropods. Female

prosobranch molluscs exposed in the laboratory can develop imposex with LOECs

of 1 to 83 ng/L (Gooding et al. 2003; Abidli et al. 2012, 2013).

In gastropods, adverse effects resulting from in vivo exposure to TBT mainly

concern reproductive impairment associated with alterations of the sexual organs in

females, including the staged development of penis and vas deferens known as

imposex. The Vas Deferens Sequence Index (VDSI) has been developed to char-

acterize the extent of imposex in N. lapillus and T. clavigera (e.g., Gibbs et al. 1987;
Blackmore 2000; Leung et al. 2006). VDSI has seven stages, with stage 0 indicating

no imposex and stage 6 indicating female sterilization. Several studies indicate that

the imposex threshold concentration lies at 1 ng TBT/L, with increasing steriliza-

tion as concentrations increase (e.g., Gibbs et al. 1988). Gibbs (1996) found that

juvenile female Ocenebra erinacea exposed to 7.3 ng TBT/L developed a longitu-

dinal split of the oviduct wall. Adult O. erinacea collected from TBT-contaminated

sites with advanced imposex exhibited the same lesions and through laboratory

spawning experiments were found to be sterile (no capsules produced). Significant

reductions in gastropod reproduction were generally found at levels slightly higher

than those that induced imposex, with effective concentrations ranging from 12 to

1000 ng TBT/L (Duft et al. 2007; Leung et al. 2007; Giusti et al. 2013a, b). Other

invertebrate species are known to exhibit reproductive effects across a wide
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aqueous concentration range of 10 to 2225 ng TBT/L (Oberdorster et al. 1998; Ohji

et al. 2003a, b; Huang et al. 2010).

Developmental toxicity of TBT was also investigated, using a 21-day embryo

test with the freshwater snail Lymnaea stagnalis. TBT (added as TBTCl) had

NOEC values of 30 ng TBT/L and 100 ng TBT/L for the mean hatching time and

hatching success, respectively (Bandow and Weltje 2012). These values compare

well with the NOEC of 105 ng TBT/L obtained for the fecundity of adult

L. stagnalis exposed to TBT hydride for 21 days (Giusti et al. 2013a, b).

5.3.4 Life-Cycle Studies and Population-Level Responses

Limited full life-cycle or multigenerational laboratory studies using TBT have been

conducted with invertebrates other than molluscs. The calanoid copepods

Pseudodiaptomus marinus and Schmackeria poplesia exhibited similar sensitivi-

ties, with LOECs of 6 and 20 ng TBT/L, respectively (Huang et al. 2006, 2010). The

amphipod Caprella danilevskii exhibited similar sensitivity to the copepods with a

LOEC of 10 ng TBT/L (Ohji et al. 2003a, b). Daphnia magna was thought to be

much less sensitive to TBT, with a LOEC of 2225 ng TBT/L in a two-generation

study (Oberdorster et al. 1998). However, a recent study reported reduced brood

size, total offspring, neonate volume, and neonate length at 88 ng TBT/L, with

many of these effects being observed in the F1 and F2 generations (Jord~ao et al.

2015). Altered lipid homeostasis was suggested to be responsible for the abnormal-

ities in reproduction.

For gastropods exposed to TBT, life-cycle and population studies are mainly

represented by long-term laboratory exposures (>1 year) or field monitoring. In

gastropods, a large number of studies reported decline to extinction for populations

with increasing proportions of imposexed females (Gibbs 1996, 2009). Several

studies indicate that TBT in the marine environment can impact populations of

Caenogastropod snails through female sterilization associated with imposex

(Spence et al. 1990; Bailey et al. 1995; Harding et al. 1997). These population-

level responses were associated with water concentrations in the range 1–10 ng

TBT/L, which is consistent with molecular studies characterizing the affinity of

TBT for the RXR-PPAR receptor, in addition to other known ligands. It is impor-

tant to note that there is not always a linear relationship between imposex devel-

opment, as assessed through the VDSI, and female sterility (Barroso et al. 2002).

On the other hand, female gametogenic activity occurs with no apparent differences

in imposex-affected and imposex-free populations (Avaca et al. 2015). This may

have important implications for population recovery.

Shell development in molluscs may be as sensitive as imposex and reproduction

with a number of species exhibiting shell growth and development effects in

aqueous concentrations ranging from 8 to 1000 ng TBT/L (Leung et al. 2006,

2007; Giusti et al. 2013b). Shell abnormalities in oysters were reported as early

as the beginning of the 1980s (Alzieu et al. 1986), showing that oyster populations

have also been impacted by TBT. For example, a correlation was found between
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rock oyster (Saccostrea glomerata) population density and the discontinued use of

TBT in estuaries with high densities of boat moorage (Birch et al. 2014). This

conclusion is also supported by other studies that reported declining tissue concen-

trations in molluscs from this area over the same time period (Batley et al. 1992;

Lewis et al. 2010).

5.3.5 Reversibility of the Effects

The degree of imposex reversibility in molluscs depends on the species. Once TBT

exposure stops, female penis length declines slowly in Nassarius reticulatus (Bryan
et al. 1993), and more quickly in female Ilyanassa obsoleta (Smith 1981). Contrary

to this, imposex in N. lapillus is largely irreversible (Bryan et al. 1987). Population

recovery can therefore be slow, especially for species that are long-lived and/or for

which recruitment is limited, such as N. lapillus (Matthiessen and Gibbs 1998;

Oehlmann et al. 2007; OECD 2010) and N. reticulatus (Couceiro et al. 2009).

Nevertheless, there appears to be a widespread amelioration worldwide (e.g.,

Canada, US EPA 2003; Hong-Kong, Leung et al. 2006; Spain, Couceiro et al.

2009; England and Wales, Nicolaus and Barry 2015) as populations of snails have

recovered significantly after the reduction in use of TBT as an antifoulant

(Birchenough et al. 2002; Bray et al. 2012; Nicolaus and Barry 2015).

5.4 Fish

5.4.1 In Vitro Assays

Organotins, including TBT, are well-known inhibitors of the hepatic microsomal

CYP450 systems in a variety of fish species (review by Fent and Hunn 1996).

Protein transcription, enzyme activity, and reductases are all affected. The isoform

CYP450 1A1 appears to be particularly sensitive to TBT exposure. Other CYP450

isoforms, including those with testosterone hydroxylase activity, are also inhibited,

albeit at high concentrations. In general, CYP450 inhibition occurs at levels that are

close to cytotoxicity and as such it is difficult to establish whether the inhibitions

observed constitute an additional mechanism of toxicity, or they are indeed an

effect of general toxicity affecting a variety of sulfhydryl-containing proteins. It has

since been established that not only phase I but also phase II metabolism enzymes

are affected by TBT (Morcillo et al. 2004). It is interesting to note that in this study,

glucuronidation of testosterone but not estradiol was inhibited by incubating fish

liver microsomes with TBT at concentrations as low as 5 μM.

The general inhibitory effect of moderate to high doses of TBT on hormonal and

biotransformation pathways has also been confirmed in salmon hepatocytes using

gene expression patterns (Vtg, ER, AR) and CYP-mediated enzyme activities as

endpoints (Mortensen and Arukwe 2009). These consistent decreases in cellular
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responses over time and with increasing TBT concentrations suggest a possible

inhibitory effect of TBT on transcription. The effect of TBT on other transcription

factors such as RXR and PPAR in fish cell systems is surprisingly under-studied.

Nevertheless, TBT inhibited plaice (Pleuronectes platessa) PPARα and PPARβ at

1 nM in transfection assays although it had no effect on PPARγ (Colliar et al. 2011).

5.4.2 Physiological Responses

Several studies have examined various physiological responses in fish exposed to

TBT. A series of studies have been published on TBT-induced effects on rockfish

(Sebastiscus marmoratus) gonadal development. In the first study, Zhang et al.

(2007) brought wild female fish into captivity for experimentation. Ovarian testos-

terone levels of fish exposed to 10 ng TBT/L significantly increased, whereas levels

in ovaries exposed to 100 ng/L did not significantly change compared to the control.

Exposure to 10, 100 ng/L TBT resulted in significantly decreased 17β-estradiol
levels in the ovaries. No masculinization was observed but the exposure period,

limited to 50 days, might have been too short or the sexual differentiation stage as

female was too advanced. Histological examination reportedly showed develop-

mental suppression and atresia of ovarian follicles. However, these results may be

unreliable as they included incorrect criteria to judge the follicles development

stage [e.g., follicles labeled vitellogenic were not vitellogenic, and the results of

Terminal deoxynucleotidyl transferase (TdT) dUTP Nick-End Labeling (TUNEL)

assay staining for apoptosis were not convincing; J. Wolf, pers. com. 2016].

Likewise, there was no mention of methods used to minimize observational histo-

pathological bias.

In a second experiment (Zhang et al. 2009a, b), fish were exposed to nominal

concentrations of 2.44, 24.4, and 244 ng TBT/L for 48 days. There was strong

evidence of inhibition of testicular development, interstitial fibrosis and increased

testicular lipid but no NOEC (only a LOEC) was established. Histopathological

testicular changes were observed that may represent a stress response as opposed to

specific endocrine or toxicological activity (Zhang et al. 2009a). Inhibition of

thyroidal status related to depression of testicular development was also studied

at TBT concentrations of 2.44, 24.4, and 244 ng TBT/L for 50 days. The NOEC was

2.44 ng TBT/L based on histopathology (testis: decreased spermatozoa, pyknosis,

interstitial fibrosis; thyroid: decreased colloid). There was a possible effect of

decreased spermatozoa at 244 ng TBT/L, and damage to the thyroid gland and a

decrease in production of thyroid hormones were observed (T4 in serum signifi-

cantly correlated with GSI) (Zhang et al. 2009b).

In a third study (Zhang et al. 2011), TBT-induced RXRα expression in embryos at

0.1 and 1 ng/L, an effect thought to be responsible for the induction of increasing

apoptotic cells. TBT was also shown to induce ectopic lipid accumulation in ovarian

interstitial cells (consistent with PPAR activation) and decreased testosterone ester-

ification in the ovaries leading to increased free testosterone (NOEC ¼ 1 ng/L).
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In a final study (Zhang et al. 2013a, b), 30 male and 30 female fish per group

were exposed to nominal concentrations of TBT of 1, 10, and 100 ng/L. CYP19b

expression in the male fish significantly increased ( p ¼ 0.026, 0.04, and 0.02,

respectively) after exposure to TBT, the highest elevation being 3.12-fold in the

10 ng/L group. In the female fish, the CYP19b expression increased slightly in the

10 and 100 ng/L groups, but this was not statistically significant ( p ¼ 0.078 and

0.234, respectively). Testosterone and estradiol levels were unchanged in males but

testosterone increased and estradiol decreased in females. ER expression was

affected in males (up-regulated at low concentrations; no difference at 100 ng/L)

but not in females. RXRα expression increased in males but decreased in females.

TBT is a complex endocrine disrupter in zebrafish (Danio rerio). McGinnis and

Crivello (2011) injected TBT at 1–5 mg/kg intraperitoneally into fish, which

directly inhibited ER-regulated processes by acting as a non-competitive inhibitor.

TBT did not inhibit AR-regulated processes, but decreased acyl-transferases and

sulfation of testosterone in the liver. TBT had an androgenizing effect in the brain

but a feminizing effect in the liver and gonads. Rapid metabolization of TBT to di-

and monobutyltin also occurred in the liver, resulting in complex and

non-elucidated interactions with steroid pathways (McGinnis et al. 2012).

In the brown trout (Salmo trutta fario), TBT exposure showed a decreasing trend

of ovarian CYP19 expression, but not a potent effect at 1000 ng/L (Pereira et al.

2011a, b), suggesting that TBT interferes with the steroidogenic pathway at a

transcriptional level. The in vivo down-regulation of IGF2 in the pre-vitellogenic

ovaries might indicate that TBT interferes with factors that are absent in the ex vivo

gonad cultures (Pereira et al. 2011a, b). TBT did not affect testosterone or estradiol

concentrations, further supporting previous evidence that the CYP19 modulating

effects of this chemical are not mediated through direct inhibition of CYP19

activity (Pereira et al. 2011a, b). Aromatase expression in the brain, reproductive

behavior, and secondary sexual characteristics were studied by Tian et al. (2015) in

guppies (Poecilia reticulata). TBTCl treatment inhibited gene expression of

CYP19A and CYP19B in brain of males, which led to altered reproductive behavior

with a LOEC of 4.45 ng TBT/L.

A series of studies with juvenile Atlantic salmon (Salmo salar) that were force-
fed TBT alone and in combination with forskolin, reported a number of affected

gene expression patterns, including CYP3a, CYP11b, CYP19a, SF-1, glucocorti-

coid receptor, ERα PXR, PPARs, glutathione S-transferase (GST), ACOX 1, IL-b,

TNFa, IFNγ, IFNα, Mx3, IGF-1, IL-10, and TGFb (Kortner et al. 2010; Pavlikova

et al. 2010, Pavlikova and Arukwe 2011). Forskolin activates the enzyme adenylyl

cyclase and increases intracellular levels of cAMP, an important second messenger

necessary for the proper biological response of cells to hormones and other extra-

cellular signals. Since most effects observed after TBT exposure were modulated

by forskolin exposure, these studies suggested that TBT may exert its endocrine,

biotransformation and lipid peroxidation effects via the cAMP/PKA second mes-

senger system.
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5.4.3 Organismal Effects

In contrast to the extensive literature dealing with the adverse impacts of TBT in

mammalian and molluscan species, relatively few studies have addressed higher-

level effects of TBT on fish. Bentivegna and Piatkowski (1998) studied

embryotoxicity of TBT in medaka Oryzias latipes exposed to nominal concentra-

tions of TBT acetate (TBTA). Results showed that 415 and 4150 ng/L produced

100% lethality in all age groups, while 41.5 ng/L produced no acute lethality in 3-

and 5-day embryos, and between 16 and 33% lethality in 0-day embryos.

Subchronic endpoints showed that toxicity was concentration-related and that

embryos exposed on day 0 were more sensitive than those exposed on days 3 and

5. LOECs for hatching success were 10,440 ng/L for day 0 and 41,500 ng/L for days

3 and 5. LOECs for the combined effects of hatching success and gross abnormal-

ities were 10,440 ng/L for day 0 and 20,590 ng/L for days 3 and 5. Although no

endocrine-sensitive endpoints were measured, there was some evidence of reduced

CYP450 induction.

It has been reported that TBT can alter the sex ratio towards males in zebrafish

(McAllister and Kime 2003; Santos et al. 2006) and Japanese flounder

(Paralichthys olivaceus) (Shimasaki et al. 2003). Genetic female flounder exhibited

an increased rate of sex reversal when fed TBT in their diet. The proportion of

males significantly increased to 25.7% in the 0.1 μg/g group and to 31.1% in the

1.0 μg/g group compared with the control (2.2%). Histological observations showed

that, in the TBT-treated groups, normal females had typical ovaries and assumed

sex-reversed males had typical testes without intersex (Shimasaki et al. 2003).

Zebrafish exposed from 0 to 70 days post-fertilization (dpf) to 0.1 ng/L of TBT

showed a male-biased population and produced a high incidence of sperm lacking

flagella. At 1 ng/L, the motility of sperm was significantly lower than that of control

fish, while at 10 ng/L, all sperm lacked flagella, and at 100 ng/L, milt volume

increased. Male sex ratio shifts were similar after exposure from 0 to 70 dpf and 0 to

30 dpf. Equally important, 100 ng/L resulted in 65% males after exposure from

30 to 60 days emphasizing the point that timing of the exposure is very important.

Effects on sperm motility and morphology and on milt volume were less pro-

nounced after 30 days than after 70 days of exposure (McAllister and Kime

2003). From this study, the NOEC and LOEC values were 0.01 and 0.1 ng/L,

based on nominal exposure concentrations. In a recent study, Lima et al. (2015)

exposed zebrafish larvae from 5 dpf up to 120 dpf to 1466 ng TBT/g diet. Animals

were fed this diet three times per day. Females were significantly smaller and

weighed less, while no change in male total length or weight was observed.

Gonad weight in males was significantly heavier but no change was observed in

females. There was a 62% decrease in fecundity but no changes in egg viability or

hatchability. Overall, sex ratios shifted towards females in contrast to other studies

reported above. This could be a strain difference or a concentration effect. The

expression of gonadal aromatase was unaffected but in female brain, TBT down-

regulated CYP19a1b mRNA. There was also a brain-specific down-regulation of

PPARγ in both males and females. TBT effects in zebrafish may involve
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modulation of PPARγ/RXR and brain aromatase based on this study. A LOEC for

all endpoints of 1466 ng TBT/g diet was reported, based on measured

concentrations.

Reduced sperm counts were observed in guppies (P. reticulata) following

exposure to 11.2 or 22.3 ng TBT/L for 21 days, with possible effect on Sertoli

cell function. This potentially occurred via apoptosis, which could block the

nutritional activity of Sertoli cells on maturing spermatids and thereby arrest the

release of gametes. TBT exposure for 21 days decreased sperm counts in guppies by

40–75% but flagellar length was unaffected. However, this exposure involved adult

fish and effects on sperm were short-term. Sperm counts declined approximately

62–69% but there was no change in testes size or sperm length (Haubruge et al.

2000). In a histological evaluation of TBT’s toxicity on spermatogenesis, Mochida

et al. (2007) exposed mummichog (Fundulus heteroclitus) to mean measured TBT

concentrations of 0 (control and solvent control), 0.20, 0.54, 1.0, 1.7, 1.9, and

2.8 μg/L. In this study, there was a relatively small group size and no mention of the

methods used to minimize sampling or observational bias. Some of the histopath-

ological changes were difficult to confirm at low magnification, and there were

several low quality figure images (changes could also be autolysis). However,

damage to epithelial cells of seminal ducts, and slight decrease in spermatozoa

numbers were reported with a NOEC-based on histopathology of 1.7 μg
TBT/L. TBT can also affect sexual behavior and reproduction in medaka (Oryzias
latipes) (Nakayama et al. 2004).

Growth effects in fish were also found at very low tissue concentrations.

Shimasaki et al. (2003) reported a statistically significant decrease in body weight

and length at 18 ng/g body wet weight; however, Meador et al. (2011) found

significant increases at essentially the same whole-body concentration in Chinook

salmon. Increased growth and lipid content data reported by Meador et al. (2011)

are consistent with the mammalian response data characterizing TBT as an

obesogen (Grün et al. 2006).

Several studies examined effects of maternally transferred TBT using different

routes of exposure including dietary (Nakayama et al. 2005; Shimasaki et al. 2006)

and injection (Hano et al. 2007). Adverse effects were noted when TBT concen-

trations were approximately 5–160 ng/g egg wet weight. These studies support the

conclusion that fish embryos are very sensitive to TBT and indicate that maternal

transfer is an important route of exposure.

5.4.4 Life-Cycle Studies

Mochida et al. (2010) exposed mummichog Fundulus heteroclitus in a fish full-life-
cycle assay from the embryo stage until the hatch of the F1 generation at nominal

TBTO concentrations of 0 (control and solvent control), 0.13, 0.25, 0.50, and

1.0 μg/L. The mean measured equivalent TBT ion concentrations corresponding

to these exposure groups were 0, 0.054 � 0.005, 0.12 � 0.02, 0.26 � 0.02 and

0.37 � 0.05 μg/L, respectively. In a second experiment, nominal concentrations of
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0.13, 0.50 and 2.0 μg TBTO/L were measured as 0.034 � 0.00, 0.21 � 0.07 and

0.81 � 0.02 μg/L, respectively as the equivalent TBT ion. In the F0 generation,

TBT exposure resulted in a male-biased sex ratio, an increase in the frequency of

the appearance of apoptotic cells in the testis in maturing stages, and a decrease in

fecundity. In the F1 generation, time to hatch and hatchability were all markedly

affected. Exposure did not affect the proliferation of the germ cells in the testes;

however, a significant increase in the number of apoptotic cells in the testes was

induced. LOECs for sex differentiation (towards males), reduced spermatogenesis

(increased apoptotic cells), and reduced hatching were 0.26, 0.06, and 0.05 μg/L,
respectively.

5.5 Amphibians

5.5.1 In Vitro Assays

Few studies have been identified that examined the effects of TBT on amphibians

in vitro. Using transiently transfected Cos7 cells, Grün et al. (2006) demonstrated

that exposure to 60 nM TBT (presumably TBTCl, although compound, purity and

source were not specified) activated RXRα and RXRΥ from the amphibian

Xenopus laevis. Choi et al. (2007) found that TBT inhibited Rana dybowskii oocyte
maturation in vitro (ED50: 0.6 and 0.7 μM).

5.5.2 Physiological Responses

Mengeling et al. (2016) found that 1 nM TBT (equiv. 290 ng/L) greatly potentiated

the effect of T3 on thyroid hormone-induced morphological changes in X. laevis but
showed both gene and tissue specificity in this capacity. The data also demonstrated

that as an RXR agonist, TBT can disrupt TH signaling with outcomes identical to

those caused by synthetic RXR-selective ligands and suggested that TBT is not

activating a permissive NR-RXR heterodimer such as PPARΥ to achieve this effect.

5.5.3 Organismal Effects

Amphibian embryo development and tadpole metamorphosis are also sensitive to

TBT exposure. Xenopus tropicalis embryos showed developmental and survival

effects when exposed to TBT at 50–400 ng/L in the frog embryo teratogenesis

assay-Xenopus (FETAX) (Guo et al. 2010). These effects were time- and

concentration-dependent, with significant mortality at each time interval (24, 36

and 48 h) and exposure concentration. The most common malformations in the

embryos were abnormal eyes and skin hypo-pigmentation, with increased time of

exposure; additional common malformations included enlarged proctodaeum and
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narrow tails fins in tadpoles. Thyroid hormone is linked to eye development in

Xenopus embryos. The authors suggest that the eye malformations and other

malformations are linked to TBT exposure through binding to RXRs and that

RXRs form heterodimers with the thyroid hormone receptors.

5.5.4 Life-Cycle Studies

Shi et al. (2014) exposed X. laevis to TBT in an Amphibian Metamorphosis Assay

(AMA) (OECD TG 231) and a complete AMA (CAMA), which exposed X. laevis
from Nieuwoop and Faber (NF) stage 46 to stage 66. They found TBT to have anti-

thyroid activity in the AMA at TBT concentrations of 12.5–200 ng/L, based on

decreased hind limb length in the absence of growth effects (body weight and snout

to vent length) or overt toxicity, delayed development by one or two development

stages and thyroid lesions characterized by mild increases in thyroid follicle height

and/or mild increases in layers of follicular epithelium, and colloid depletion. The

CAMA confirmed developmental delays based on front limb emergence and total

metamorphosis time; however, these effects were seen in the presence of decreased

body length and weight at metamorphosis at 10 and 100 ng/L. The CAMA also

found that the intersex and sex ratio increased in favor of males with increasing

concentrations of TBT. The intersex gonads had an ovarian cavity with testis-like

tissue structure. Apical endpoints in Xenopus sp. metamorphosis and embryo eye

development were affected by TBT concentrations as low as 12.5 ng/L (Shi et al.

2014). Although these endpoints are regulated by thyroid hormones, it is unclear

from this report whether TBT acts directly on thyroid hormones, or indirectly

through binding to RXRs.

5.6 Birds

5.6.1 In Vitro Assays

No in vitro studies of TBT effects on birds have been identified.

5.6.2 Physiological Responses and Organismal Effects

Although few studies of the effects of TBT have been conducted in birds, these

have demonstrated some reproductive effects from exposure. A subchronic toxic-

ity/reproduction study was performed in Japanese Quail (Coturnix japonica) fed a

diet containing 0, 24, 60, and 150 mg TBTO per kg diet for 6 weeks (Coenen et al.

1992). No overt toxicity or treatment-related pathological or histological abnor-

malities were noted in parent birds, and there were no significant effects on egg

production, serum alanine aminotransferase (ALAT), serum total thyroxine (TT4),
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luteinizing hormone (LH), or retinol levels. Limited effects on hematology and no

effects on serum biochemistry were found in these birds (Coenen et al. 1994).

However, a significant decrease in hatchability and increase in embryo mortality

were observed at the two highest doses. Serum calcium values determined through-

out the reproduction period were found to be significantly reduced in female birds at

all concentrations tested (Coenen et al. 1992). This same study was repeated by five

laboratories in an inter-laboratory comparison test (Schlatterer et al. 1993), with the

addition of one higher dose group (375 mg/kg feed). Results from this comparison

were similar to those reported by Coenen et al. (1992). Dose-related decreases in

egg weight, egg production, fertility, hatching success and survival of 14-day-old

chicks were observed in most of the laboratories. The NOEC for egg weight and

hatchability was 60 mg TBTO/kg feed. Faqi et al. (1999) conducted a follow-up

study to examine whether a difference in responses could be observed between a

6-week exposure and a 13-week exposure to 150 and 375 mg TBTO/kg feed. The

number of eggs laid, mean egg weight, fertility and hatchability were significantly

lower and the percentage of cracked eggs was significantly higher at 375 mg/kg at

weeks 6 and 13. Reduced eggshell thickness was observed at week 6. No effects

were noted on hematological and clinical chemistry data obtained at weeks 6 or

13 and histological preparations of the organs showed no morphological changes.

However, none of these studies in quail examined steroid hormone levels or any

related genomic indicators from the HPG axis, nor were any effects on nuclear

receptors investigated.

5.6.3 Life-Cycle Studies

No life-cycle studies of TBT effects have been reported for birds.

5.7 Mammals

5.7.1 In Vitro Assays

Studies using mammalian in vitro systems have examined interactions between

TBT and nuclear receptors and the effects of TBT on enzymes involved in ste-

roidogenesis. Saitoh et al. (2001a) found that TBT had relatively high binding

affinity for androgen receptor (AR), with an IC50 of 7.6 μM, but no affinity for

estrogen receptor α (ERα). Additional evidence for TBT’s impacts on segments

of the steroidogenic cascade was presented by McVey and Cooke (2003), who

observed decreased 17-hydroxylase and 3β-hydroxysteroid dehydrogenase

(3β-HSD) activity in rat testis microsomes at 12 and 59.0 μM TBTCl. Treatment

of human granulosa-like tumor cells for more than 48 h with 20 ng/mL TBTCl

(~60 nM), significantly suppressed aromatase activity and estradiol production

(Saitoh et al. 2001b). Cooke (2002) and Heidrich et al. (2001) reported that TBT
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is a competitive inhibitor of human aromatase in vitro at 12 and 59 μM TBTCl and

5 and 50 μM TBTCl, respectively, with an IC50 of 6 μM calculated by Heidrich

et al. (2001). Together, these studies initially suggested a possible inhibitory role

for TBT in steroidogenesis as the primary means of endocrine disruption. However,

Kanayama et al. (2005) found that TBT (10, 30, and 100 nM TBTCl) induced the

transactivation function of RXRα and PPARΥ at concentrations lower than those

causing aromatase inhibition. The effect of TBT on RXRα is as strong as that of its

endogenous ligand, 9-cis-RA and because TBT enhanced protein-protein interac-

tion between RXRα and TIF2, the data suggested that TBT activates transcription

via these receptors.

Because TBT induced the transactivation function of RXRα and PPARΥ at

concentrations lower than those required for inhibition of aromatase activity,

Kanayama et al. (2005) proposed that this receptor-based pathway is the more

likely route for low-dose effects such as imposex in gastropods. The greater

likelihood of a role for RXR and PPAR over the aromatase-inhibition hypothesis

in TBT-mediated toxicity was further supported by studies that reported opposing

effects of TBT on aromatase (CYP19). Sharan et al. (2013) found that low doses of

TBT (25, 50, and 100 nM TBTCl) increased CYP19 enzyme activity, mRNA

expression, and estradiol production in MCF-7 cells and acted as an ERα agonist.

Evidence for the induction of aromatase by TBT was initially provided by

Nakanishi et al. (2002) at 30, 100, and 300 nM TBTCl in a human choriocarcinoma

cell line. Evidence for the role of the RXR homodimer in aromatase induction in

placental tissue was provided by Nakanishi et al. (2002, 2005) at 1, 10, and 100 nM

TBTCl. However, the utility of these studies for risk assessment is weak due to the

use of inappropriate statistical methods. The variation in results of these in vitro

studies with regard to aromatase and ER activation is likely due to wide differences

in concentrations of TBT and/or the sources for the cells used in each study,

suggesting that TBT’s effects may be dose- and tissue-specific.

Additional early evidence for interaction of TBT with RXR and PPAR via

direct ligand binding was presented by Grün et al. (2006) using Cos7 cells

(transformed Green Monkey kidney fibroblast cells) transfected with human,

mouse, and frog (Xenopus laevis) nuclear receptors. These experiments showed

activation of RXRα–Υ and slightly weaker activation of PPARΥ and PPARδ (same

for PPARβ) at 60 nM TBT (presumably TBTCl, although compound, purity and

source were not specified). le Maire et al. (2009) showed that TBT activates all

three RXR-PPAR heterodimers (α, β and Υ) primarily through its interaction with

RXR. In contrast to the interaction between TBT and RXR, the active receptor

conformation between TBT and PPARΥ was less efficiently stabilized, making

this side of the heterodimer a less efficient binding target for TBT (le Maire et al.

2009), confirming the observations of Grün et al. (2006).

Multiple lines of in vitro evidence exist demonstrating the roles of RXR and

PPAR in TBT-induced adipogenesis in mammals. Histological examination of

mouse 3T3-L1 preadipocyte cells treated with 100 nM TBTCl by Kanayama

et al. (2005) revealed induction and promotion of adipocyte differentiation. This

observation was supported by induction of the adipocyte-specific fatty acid-binding
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protein (aP2) mRNA expression and triglyceride levels in a dose-dependent manner

at 10, 30, and 100 nM TBTCl, and linked to the PPARΥ pathway by induction of

PPARΥ mRNA. Induction of adipocyte differentiation was also demonstrated by

Grün et al. (2006) using histology and aP2 mRNA expression in mouse 3T3-L1

cells dosed with 10 and 100 nM TBT (presumably TBTCl, although compound,

purity and source were not specified). The aP2 promoter contains an RXR:PPAR

response element, implicating this pathway in the observed changes. In vitro

exposure of mouse multipotent stromal stem cells to 5 and 50 nM TBT (presumably

TBTCl although exact compound and purity not specified) increased adipogenesis,

cellular lipid content, and expression of adipogenic genes (Fapb4, PPARΥ, LEP)

and decreased mRNA levels of the adipogenesis inhibitor Pref-1 (Kirchner et al.

2010). The adipogenic effects of TBT in this study were blocked by the addition of

PPARΥ antagonists, suggesting that activation of PPARΥ mediates the effect of

TBT on adipogenesis. TBT also induced PPARΥ2 and FABP4 protein expression in

bone marrow multipotent mesenchymal stromal cells at concentrations >50 nM

TBTCl, resulting in lipid accumulation and terminal adipocyte differentiation

(Yanik et al. 2011). Interestingly, Belcher et al. (2014) found that TBT-induced

human PPARΥ in a Chinese Hamster Ovary (CHO) cell line at 1 nM TBTCl and

higher concentrations, but exhibited an “inverted U” dose-response curve, with

maximal induction at 100 nM TBTCl. The cause of the loss in functional reporter

gene activity was unclear.

Further evidence for the critical role for RXR in mediating effects of TBT comes

from in vitro studies of effects on thyroid hormone receptors. Using thyroid

hormone-responsive HepG2 cells, Sharan et al. (2014) demonstrated that TBTCl

treatment induced a dose-dependent decrease in tri-iodothyronine (T3)-induced

thyroid receptor (TR) transactivation and altered the expression of TRβ and its

co-regulators including SRC-1 and NCoR. Therefore, TBT acts as an antagonist to

TRs and inhibits T3-mediated transcriptional activity. However, TRs can form

heterodimers with other nuclear receptors, in particular with the RXR. RXR plays

a role in both positive and negative gene regulation through thyroid response

elements (LaFlamme et al. 2002). Given the potential for TBT to also activate

RXR, and the importance of RXR in the negative transcriptional regulation of genes

of the hypothalamo-pituitary axis by T3 (LaFlamme et al. 2002), this suggests that

TBT’s effects on the thyroid axis may involve multiple nuclear receptor pathways.

5.7.2 Physiological Responses

Grün et al. (2006) dosed 6-week-old male mice for 24 h with 0.3 mg/kg bw TBT

(presumably TBTCl, although compound, purity and source were not specified) and

examined expression of critical transcriptional mediators of adipogenesis such as

RXRα, PPARΥ, C/EBP α/β/δ, and sterol regulatory element binding factor

1 (Srebf1) as well as known target genes of RXRα:PPARΥ signaling from liver,

epididymal adipose tissue and testis. TBT either had no effect, or weakly repressed

RXRα and PPARΥ transcription in liver and decreased RXRα, PPARΥ, C/EBPα and
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-δ in adipose tissue and testis. C/EBPβ was strongly induced in liver and testis, but

more weakly induced in adipose tissue. Proadipogenic transcription factor Srebf1

was also induced in adipose tissue. Fatty acid transport protein (Fatp) mRNA levels

were up-regulated two- to three-fold in liver and epididymal adipose tissue but not

testis by TBT. Additional up-regulation of genes associated with fatty acid synthe-

sis was also noted and together, these gene expression data confirmed TBT as a

potential adipogenic agent in vivo.

Thyroid-related effects of TBT have been reported in vivo in mammals (e.g.,

Decherf et al. 2010; Sharan et al. 2014). Thyrotropin-releasing hormone (TRH)

production is controlled at the transcriptional level by T3 through TRs but also via

RXR and PPARΥ (LaFlamme et al. 2002). Decherf et al. (2010) exposed Swiss wild-

type mice to TBT through lactation after dams were gavaged with a single 40 mg

TBTCl/kg dose, and examined effects in pups on hypothalamic expression of genes

implicated in metabolism and regulated by T3. They found that TBT dose-

dependently increased T3-independent transcription from the TRH promoter (i.e.,

transcription that is controlled through RXR), but had no effect on T3-dependent

repression. However, the effect on T3-independent expression was not observed in

pups whose mothers were exposed chronically to 0.5 mg/kg by gavage for 14 days.

Additionally, this paper demonstrated that exposure to TBT has a two-pronged effect

on transcription from the aromatase and tyrosine hydroxylase promoters—it signif-

icantly reduced T3-independent transcription but also abolished T3-dependent reg-

ulation, confirming the role of TBT as a T3 antagonist that had been reported in vitro.

Although the exposure levels in this study were relatively high, the results lend

important insights into the hypothalamic effects of TBT.

Thyroid system effects in mice have been demonstrated at significantly lower

exposure levels. Swiss albino male mice exposed to three doses of TBTCl (0.5,

5 and 50 μg/kg/day) for 45 days showed hypothyroidal effects (Sharan et al. 2014).

TBT exposure markedly decreased serum thyroid hormone levels, which correlated

with down-regulation of thyroid peroxidase (TPO) and thyroglobulin (Tg) genes in

the thyroid gland and augmented circulating thyroid stimulating hormone (TSH)

levels and TSH receptor (TSHr) gene in the thyroid gland. In addition, Pax8, a

thyroid-specific transcription factor (mRNA and protein) and sodium-iodide

symporter (Slc5a5) (mRNA) were also down-regulated. Sharan et al. (2014) con-

cluded that TBT induces hypothyroidism by suppressing transcriptional activity of

thyroid-responsive genes and inhibiting T3 binding to thyroid receptors, thereby

preventing recruitment of co-activators and corepressors on the promoters of target

genes.

Zuo et al. (2014) exposed male KMmice for 45 or 60 days to 0.5, 5, and 50 μg/kg
TBTCl orally administered by gavage once every 3 days, and examined effects on

the pancreas, glucose homeostasis, and circulating steroid and thyroid hormone

levels. Animals treated with TBT for 60 days exhibited elevated fasting plasma

glucose levels and decreased serum insulin and glucagon. TBT treatment for

45 days resulted in a dose-dependent increase in testosterone levels and a decrease

in 17β-estradiol levels in the testes and serum compared to the control. Serum T4

levels did not show significant alteration in the TBT-exposed group, while T3 levels
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showed a reduction in the TBT-exposed group and severe damage of the thyroid

gland was observed histologically in mice exposed to 50 μg/kg TBT. No histolog-

ical damage was observed in the pancreas after TBT exposure for 45 days. How-

ever, the number of apoptotic cells in the pancreas increased significantly with dose.

TBT treatment for 45 days resulted in a dose-dependent decrease in pancreatic ERα
expression but not ERβ levels, and resulted in an elevation of AR expression. This

study is the first to examine direct endocrine effects of TBT on the pancreas.

Kirchner et al. (2010) investigated effects of in utero exposure of mice to TBT on

adipose-derived stromal stem cells (ADSCs). Pregnant dams received a single

0.1 mg/kg body weight dose of TBT (presumably TBTCl although exact compound

and purity not specified) by gavage and stromal cells were isolated from white

adipose tissue (WAT) of their 8-week-old pups. Cells from TBT-exposed mice

showed increased adipogenic capacity and lipid accumulation, reduced osteogenic

capacity, increased Fapb4 and PPARΥ mRNA expression, decreased adipogenesis

inhibitor Pref-1 mRNA, hypomethylation of the promoter/enhancer region of the

Fapb4 locus, and an increased number of preadipocytes in the cells. This study

provided the first evidence that in utero exposure to TBT counteracts osteogenesis

and induces preferential differentiation of ADSCs into adipocytes.

5.7.3 Organismal Effects

In mammals, in vivo exposure to TBT has been shown to cause reproductive and

other apical effects, although early studies used relatively high exposure levels, at

which the effects of TBT are unlikely to be through the RXR/PPAR pathway.

Harazono et al. (1996) reported a higher rate of pregnancy failure in Wistar rats

exposed to 12.2 and 16.3 mg TBTCl/kg body weight. In a follow-up study, female

Wistar rats exposed to 8.1, 16.3, or 32.5 mg TBTCl/kg body weight (25, 50, or

100 μM/kg) on days 0 through 3 of pregnancy, or 8.1, 16.3, 32.5, or 65.1 mg/kg

(25, 50, 100, or 200 μM/kg) on days 4 through 7 of pregnancy by gastric intubation,

and their fetuses, exhibited significantly lower body weights at 16.3 and 32.5 mg/kg

than controls (Harazono et al. 1998). Exposure to 16.3 mg/kg and higher produced a

significant increase in the rate of implantation failure, and dosing at the same levels

on days 4–7 of pregnancy caused a significant increase in the incidence of post-

implantation loss (Harazono et al. 1998). The authors concluded that susceptibility

to, and manifestation of, the antifertility effects of TBTCl vary with the gestational

stage at the time of administration. Dosing of rat dams with TBT beginning on

gestational day 8 by oral gavage caused a significant reduction of dam’s body

weight at 10 mg/kg body weight during gestation and postnatally (Cooke et al.

2008). At postnatal days 6 and 12, neonatal pup weights were reduced at this

concentration. However, Cooke et al. (2008) also noted that at the lowest dose of

0.25 mg TBTCl/kg body weight, dam’s body weight increased relative to controls.

Similarly, Zuo et al. (2009) showed that exposure of male mice to TBTCl at 5 μg/kg
body weight for 45 days resulted in an increase in body weight and hepatic steatosis

accompanied by hyperinsulinemia, hyperleptinemia, and changes in several
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metabolism-related hormones. The variation in body weight responses appears to

reflect both life stages during exposure and dose, with exposure in utero likely

predisposing the animal to increased adipose mass as it ages and high dose

exposures resulting in body weight loses.

One of the first studies to examine the effects of in utero exposure to TBT on

lipid homeostasis and adipogenesis was conducted by Grün et al. (2006) using pups
from pregnant C57BL/6 mice, which were injected intraperitoneally daily from

gestational day 12–18 with 0.05 or 0.5 mg/kg body weight TBT (presumably

TBTCl, although compound, purity, and source were not specified). Histological

examination demonstrated that TBT exposure caused a disorganization of hepatic

and gonadal architecture in the pups at birth, and liver sections exhibited signs of

steatosis. Adipose mass in 10-week-old TBT-treated males was significantly higher

than in controls although no overt increases in body mass were noted.

Effects of in utero exposure to TBT on fetal gonad morphology have been

reported in Sprague–Dawley rats (Kishta et al. 2007). Light microscopic evaluation

found that the number of Sertoli cells and gonocytes was reduced in fetuses whose

mothers were gavaged daily from days 0 to 19 or 8 to 19 of gestation with 20 mg

TBTCl/kg. Likewise, large intracellular spaces between Sertoli cells and gonocytes

and increased abundance of lipid droplets in the Sertoli cells were observed.

Electron microscopy studies revealed abnormally dilated endoplasmic reticulum

in Sertoli cells and gonocytes. In the ovaries, TBT (20 mg/kg, days 0–19; 10 mg/kg,

days 8–19) reduced the number of germ cells by 44% and 46%, respectively. Kishta

et al. (2007) also examined gonadal gene expression in the fetuses and found

significant up-regulation of testicular genes related to stress response but no

up-regulation of these genes in the ovary. In ovaries, down-regulation was noted

of genes involved with signal transduction.

TBT resulted in early puberty and impaired estrous cyclicity in female mice

exposed perinatally (1, 10, or 100 μg TBTCl/kg body weight/day from day 6 of

pregnancy), although no effects on circulating sex steroids (E2 or T) were observed

(Si et al. 2012). Reductions in body weight were also reported by Si et al. (2012).

Identical exposures of pregnant mice to TBT dramatically decreased sperm counts

and motility in male offspring but had limited effects on intratesticular and serum

hormone levels, suggesting that altered expression of receptors rather than hormone

levels may be involved (Si et al. 2013).

5.7.4 Life-Cycle Studies

A two-generation reproductive toxicity study was conducted in rats using dietary

exposure to TBT to evaluate its effect on sexual development and the reproductive

system (Ogata et al. 2001; Omura et al. 2001). Pregnant female rats were exposed

throughout pregnancy until weaning to 5, 25, or 125 μg TBTCl/g diet [assuming

adult female rats weigh ~150 g and eat 16 g of food per day (US EPA 1988), this

equates to approximately 12, 60, and 300 μg/kg body weight/day]. F0 and F1

progeny were provided with the same TBTCl diet as their mothers. For males
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(Omura et al. 2001), significant effects on monitored endpoints (reduced body

weight, delayed eye opening, reduced testis, epididymis and ventral prostate

weights, and decreased spermatid count) were observed primarily at 125 μg/g.
Only minimal histological changes were observed in the testes. A dose-dependent

increase in serum testosterone occurred only in the F1 rats, and serum E2 was

affected only in the 125 μg/g groups of F1 and F2. As is commonly seen in high

dose exposures, the data suggest that these results were primarily related to direct

toxic effects of TBT rather than functioning through specific endocrine pathways. A

similar conclusion was drawn from the results of the companion study on the

female offspring of these rats (Ogata et al. 2001). Reproductive outcomes of

dams (number and body weight of pups and percentage of live pups) and the growth

of female pups (day of eye opening and body weight gain) were significantly

decreased in the group exposed to 125 μg TBTCl/g diet.

Chamorro-Garcı́a et al. (2013) conducted a follow-up study to the one by

Kirchner et al. (2010), in which they exposed female C57BL/6J mice prior to

conception and during pregnancy to 5.42, 54.2, or 542 nM TBT (presumably

TBTCl although exact compound, source and purity not specified) in drinking

water (equivalent to 0.53, 5.3, and 53 μg/kg/day) to determine whether prenatal

exposure would affect subsequent generations (F1¼ exposed in utero, F2¼ exposed

as germ cells, F3 ¼ no exposure). Prenatal TBT exposure elicited striking

transgenerational effects in males including increased white adipose tissue

(WAT) depot weights, adipocyte size, and adipocyte number at most doses in the

three generations. More modest changes were observed in females, yet most doses

of TBT led to significant increases in WAT depot weight and adipocyte size in F1

and F2 animals. Effects on body weight were modest and not directionally consis-

tent in both sexes. Quantitative PCR analysis of adipogenic markers in bone

marrow-derived multipotent mesenchymal stem cells (MSC) revealed sharply

increased expression of Zfp423 and Fabp4 and decreased expression of Pref-1, an

inhibitor of adipocyte differentiation, in TBT males from all three generations.

Results from female mice were similar, but with less pronounced changes in F2 and

greater variability in F3 mice than in males. Osteogenic markers, ALP and Runx2,

sharply decreased in F1 and F3 males and females but were primarily unchanged in

F2. All three generations exhibited hepatic lipid accumulation and up-regulation of

hepatic genes involved in lipid storage/transport, lipogenesis, and lipolysis. The

Chamorro-Garcı́a et al. (2013) results show that early-life exposure to TBT can

have transgenerational effects on adipogenesis, at least through the F3 generation.

6 Adverse Outcome Pathway

The adverse outcome pathway (AOP) is a framework that summarizes existing

information for a given biological pathway from the MIE, through various levels of

biological organization (genetic, molecular, physiological, and organismal), and

culminates with population-relevant results that can be used for ecological risk

assessment. This framework was described by Ankley et al. (2010) and has been
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utilized many times to highlight progressive linkages between receptor activation

and population-relevant outcomes.

The present review provides the necessary information needed to populate the

various AOP components, which are displayed in Fig. 3. It should be noted that this

is a putative and most likely incomplete AOP that was drafted based on existing

information and our current ability to interpret the available data. In order to obtain

the complete AOP, far more work is needed to fill in the gaps between MIEs and

key events (KE) across the different taxa and life stages (applicability domains);

even more work is required to obtain a quantitative AOP as it is likely that different

pathways are operating and their LOECs may be different between applicability

domains. Since TBT can trigger more than one AOP, the potential for an opera-

tional AOP network is substantial and elucidation on whether this network is

converging, diverging or independent in terms of adversity will be needed. All

the information captured in Fig. 3 originates from invertebrate (primarily mollus-

can) studies, although certain pathways have been confirmed in other taxa. Besides

the putative and incomplete nature of the AOP presented here, it is almost certain

that the critical pathway appears to be initiated by the RXR and RXR/PPAR

interactions, to include imposex as a key event and to result in complete reproduc-

tive failure and decline population trajectory.

The full AOP can only be completed when some basic aspects of endocrinology

of invertebrate species, that are currently largely unknown, become available. The

same holds true for the RXR and RXR/PPAR modulated pathways in vertebrate

species, although some information has recently become available (Tonk et al.

2015). Nevertheless, it should be noted that unlike the majority of the currently

available AOPs in the context of chemical perturbations, the adverse outcome of

TBT exposure at population level is well established at least for molluscan species

as the numerous publications on population extinctions globally testify.

7 Species Sensitivity Distribution (SSD) for Toxic Effects

in Aquatic Organisms

7.1 Water Exposure SSDs

Species sensitivity distributions (SSDs) have been derived using apical, population-

relevant data (reproductive outcomes, including fertilization, embryonic develop-

ment, hatching, larval and juvenile growth, as well as sex ratio) mainly from long-

term aqueous exposure studies matching Levels 4 and 5 in the OECD CFEDTA (see

Tables 2 and 3 of the Annexes). These SSDs do not necessarily include all relevant

species and endpoints and are not expected to be comprehensive. However, they

have been built using robust endpoints from reliable studies, and therefore accu-

rately reflect the sensitivity of major groups of aquatic organisms. Two SSDs have

been constructed—one using LOECs (Fig. 4) and the other NOECs (Fig. 5) from

chronic studies—using the ETX 2.1 software of the Netherlands National Institute

for Public Health and the Environment (RIVM) (van Vlaardingen et al. 2014).
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When several biological endpoints were available for one given species, only the

lowest LOEC and/or NOEC was used, to ensure that each species appeared only

once in the SSD. In some cases, the LOECs are unbounded, so the true effect

concentration could be much lower. The NOEC is also sometimes significantly

lower than the LOEC, depending on test design (i.e., some may be over-

precautionary). By assessing the distribution of both LOECs and NOECs, these

factors have been ignored for the purposes of this analysis. For both SSDs, the

goodness-of-fit was acceptable (significance level: 0.01–0.1), as assessed using the

Anderson-Darling, Kolmogorov-Smirnov, and Cramer von Mises tests for

normality.

As a result from the NOEC-based SSD, 0.39 ng/L (95%-CI: 0.08–1.19 ng/L) was

determined to be the HC5 (the predicted concentration that affects 5% of the species

in the distribution), whereas the HC5 based on LOEC values was 1.04 ng/L (95%-

CI: 0.3–2.62 ng/L). The NOEC-based HC5 value is close to current EU regulatory

thresholds (e.g., 0.2 ng/L; EU 2005), which incorporates a safety factor and so

should be treated with caution. For comparison, the USEPA ambient water quality

criterion (seawater chronic) has been set to 7 ng/L (US EPA 2003).

An interesting feature of this sensitivity analysis is that some fish and other

invertebrate species are more sensitive to TBT than caenogastropod molluscs, in

particular some copepods (Acartia tonsa, Schmackeria poplesia Pseudodiaptomus
marinus) and the fish Danio rerio and Sebastiscus marmoratus. The lowest

endocrine-sensitive LOEC identified in this review was 0.1 ng TBT/L for a male-

biased sex ratio change and abnormal sperm in zebrafish (McAllister and Kime

2003). Our analysis found that study convincing, well designed, and described.

Aqueous concentrations of TBT in aquaria for the highest dose (100� 5 ng TBT/L)

were verified by gas flame atomic absorption spectrophotometry while other doses

were below the detection limits. Because this is the lowest value, it sets the lower

limit concentration for the TBT risk assessment for fish and also for molluscs and

other invertebrate species.

Such a high sensitivity of zebrafish sex ratio to TBT is consistent with the fact

that TBT inhibits aromatase, thus increasing the level of free testosterone to which

zebrafish appear to be extremely sensitive (Holbech et al. 2006; Örn et al. 2006;

OECD 2012b). There is therefore a biological plausibility that links the molecular

initiating event (aromatase inhibition) to the key event (increased levels of free

testosterone) subsequently leading to an apical effect (male-biased sex ratio), which

is meaningful for inferring potential impact at the population level. Such causality

relationships were thoroughly described by Matthiessen and Weltje (2015) for

azoles compounds, which also act as aromatase inhibitors.

Comparison of the potencies of known aromatase inhibitors, such as prochloraz,

with TBT requires an in-depth analysis of the available data. However, this is

somehow out of the scope of this review. Nevertheless, it appears that, with an IC50

around 0.2 μM (Cooke 2002), TBT is a weaker aromatase inhibitor in vitro as

compared to prochloraz (IC50 ¼ 0.04 μM; Vinggaard et al. 2000). In contrast,

in vivo (zebrafish fish sexual development test), a dramatic shift in potencies was

observed with TBT affecting sex ratio towards males at 1 ng/L (McAllister and
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Kime 2003) whilst prochloraz shifted sex ratio towards males at 202 μg/L
(Kinnberg et al. 2007). It is highly unlikely such a large difference stems from

slightly different exposure conditions. Hence, it could be speculated that TBT

exerts its actions on vertebrate sexual development via additional mechanisms

that enhance the effects of aromatase inhibition alone. On the other hand, direct

comparison is hindered by the fact that prochloraz along with other pesticides have

additional endocrine modulating properties (i.e., androgen and estrogen receptor

interactions). A thorough review of these data is required before firm conclusions

can be made on the primary adverse outcome pathway of TBT in vertebrates.

There were various effects (including in vitro changes in genomic markers and

enzyme activities) in other fish species within at least one order of magnitude of the

results obtained by McAllister and Kime (2003) but these endpoints and LOEC

values for zebrafish stand out as the most ecotoxicologically relevant. This suggests

that the endpoints used for other fish studies (often growth) were not the most

relevant. However, the dramatic effect observed in zebrafish may be restricted to

fish species that share the same pattern for sexual differentiation rather than all fish.

Zebrafish gonads initially develop as ovaries, however in male fish, the ovarian

tissue degenerates and the testis develop (Maack and Segner 2003). This period of

juvenile hermaphroditism (Takahashi 1977) may explain the increased sensitivity

of the sex ratio endpoint after exposure to AR agonists and aromatase inhibitors

during critical developmental windows.

7.2 Tissue Residue-Based Analysis

A given ambient toxicity metric (e.g., EC50 or LOEC) that is based on aqueous or

sediment concentrations can result in a range spanning orders of magnitude for

different species. The equivalent tissue residue toxicity metric (e.g., ER50 or

LOER) often exhibits lower variability (Meador 1997). This has been observed for

a large variety of taxa and chemicals, which has been discussed in many publications

(Meador 2006; Meador et al. 2008; McElroy et al. 2011) and is known as the tissue-

residue approach for toxicity assessment. TBT provided one of the first examples of

the utility for this approach based on a large database of tissue residue toxicity data for

mortality and reduced growth. The analysis of TBT toxicity has expanded from

evaluating these high dose endpoints to endocrine-related responses in invertebrates

and fish responding to very low environmental concentrations. While some of the

datasets are limited, they do indicate a relatively consistent response among species

for a given endpoint and whole-body tissue concentration (Meador 2011). Widely

variable toxicokinetics among species is the main factor responsible for the high

interspecies variability for a given toxicity metric based on external dose. Conse-

quently, when internal dose is used to determine a toxicity value, toxicokinetic

differences are not a confounding factor, which results in greatly reduced variability

among species response values (Meador et al. 2008; McCarty et al. 2011).

An analysis of the imposex endpoint as a function of whole-body tissue concen-

trations is shown in Fig. 6. The program SSDMaster (Rodney and Moore 2008) was
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used to generate the data for this plot. The cumulative distribution function (CDF)

shows that the sensitivity of one given species may vary according to the imposex

stage and TBT tissue burden. These data indicate a relatively narrow range of

concentrations for the imposex response spanning from threshold to 100% induced.

Based on these data, the hazard concentration resulting in low level effects was

determined to be 11.4 ng TBT/g wet weight (95% CI ¼ 9.1–14.1). This concentra-

tion characterizes a low level response; hence, a safety factor may be needed to

determine the potential “no effect” level. The tissue concentrations in this CDF

have utility in assessing population fitness for these gastropods in the field.

8 Sources of Uncertainty, Data Gaps, and Confounding

Issues

8.1 Transgenerational Effects

TBT is highly bioaccumulative and maternal transfer to eggs has been demonstrated

(e.g., Inoue et al. 2006; Ohji et al. 2006). Effects can occur over multiple generations

in some invertebrate species, e.g. chironomids (Lilley et al. 2012) and copepods

(Huang et al. 2006), as well as in fish, birds, and mammals. However, it is not clear

whether or not this is exclusively linked to endocrine-mediated mechanisms.

8.2 Sensitive Species

The general perception is that molluscs are the most sensitive taxonomic group to

TBT exposure due to the observation of imposex in wild species at low environ-

mental concentrations. However, the present analysis determined that a number of

fish species and other invertebrate species (e.g., copepods) have similar or greater

levels of sensitivity when considered in terms of population-relevant responses.

8.3 Potency

With respect to endocrine-mediated effects, TBT is highly potent as it can act in

aquatic organisms at levels of parts per trillion (ng/L) and lower (Figs. 4 and 5), and

low ng/g tissue concentrations (Fig. 6), whereas lethal toxicity occurs at much

higher concentrations. Thus, the HC5 value derived from an SSD based on LOECs

for mortality (Fig. 7) is ten times higher than the HC5 estimated from LOEC for

sublethal effects (Fig. 4). In the copepod Acartia tonsa, the NOEC values for
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reproductive effects and mortality are 0.7 and 11 ng/L, respectively (Kusk and

Petersen 1997).

Potency of TBT is also shown at the molecular level where molecular initiating

events are elicited at concentrations that are several hundred times lower than those

causing basal toxicity (Fig. 3).

8.4 Non-monotonic Dose-Response or Lack of a
Threshold Dose

Inverted U-shape responses to TBT have been observed for some endpoints,

depending on the concentration, mainly involving gene expression studies (e.g.,

Mortensen and Arukwe 2007; Kortner et al. 2010; Morales et al. 2013; Pascoal

et al. 2013). From in vivo studies, there is also some evidence that TBT has been

shown to display an inverted U-shape response for several endpoints. A good

example is the impact of TBT on body weight in fish and mammals (Cooke et al.

2008; Meador et al. 2011; Si et al. 2011). Meador et al. (2011), for example, found

that TBT exposure in fish enhanced growth and lipogenesis at low doses and

inhibited growth and reduced lipid content at high doses; this was attributed to two

modes of action operating at different doses. Most likely, the cause of a non-linear

response for TBT is different dose-dependent mechanisms of action. TBT is known

to be an uncoupler of oxidative phosphorylation and directly affects ATPase

(ATP-synthase). This enzyme that plays an important role for providing cellular

energy is located within the mitochondrial membrane and consists of two regions:

the Fo section, embedded within the membrane and the F1 section, outside the

membrane but inside the matrix of the mitochondria. TBT interacts with the Fo

section of ATPase. When exposures occur at higher doses, this is the most likely

MeOA that causes reduced growth and death. Baseline toxicity (narcosis) is not

possible because all species die at about 104 ng/g whole-body concentration, far

below baseline doses. Hence, the low dose effects are definitely due to RXR-PPAR

binding but high dose responses are due to mitochondrial dysfunction. Of course, the

U-shaped response will depend on the endpoint; it is highly plausible for metabolic

effects. The question is whether this non-linear behavior will occur for other

responses. Such non-linear concentration-response should be considered with cau-

tion regarding the magnitude and consistency of the changes. It is important to

determine whether or not these responses are significant, and if they consistently

occur in different species. One should also consider whether U-shaped dose-

responses are a result of endocrine-mediated perturbations, multiple mechanisms

of action, or adaptive process (see Parrott et al. 2017, and the references therein).

They also may relate to exposure artifacts (e.g., exceeding chemical solubility,

erroneous doses, or failure of chemical delivery systems).
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9 Areas for Future Research

Although TBT has now been recognized as an EDC at a global scale, if its ED

properties were originally assessed at low concentrations using a limited group of

USEPA Tier-1 tests that did not include the AMA, further testing may not have

been triggered. The current Tier-1 tests cover primarily three hormonal pathways

(EAT) and as such do not target the primary endocrine mode of action of TBT, via

RXR/PPAR activation. Based on the literature reviewed here, TBT would elicit

positive results in the steroidogenesis and aromatase assays only at levels much

higher than those needed to elicit an endocrine effect via the RXR/PPAR interac-

tions. The lack of testing for other hormonally and metabolically important nuclear

receptors such as PPAR and RXR under both the US and OECD testing batteries

has been recognized as a deficiency and prioritized for assay development by

OECD (OECD 2012a). The results of the present review underscore this need.

However, we recognize that assays for RXR/PPAR activity may be more difficult to

develop and validate than those for other nuclear receptors such as ER and AR, due

to the complex nature of their activation, the formation of homo- and heterodimers

with other nuclear receptors, and the permissive/non-permissive nature of down-

stream effects. In other words, a different platform than the current transactivation

assays (e.g., one that allows assessing cross-talk between these receptors) may be

needed for a full understanding of perturbations stemming from chemical interac-

tions with these receptors.

In addition to new low-tier testing that goes beyond EAT, suitable higher tier

tests should also be developed in order to assess the plethora of biological effects

that involve targets other than EAT. To this end, the new OECD Test Guidelines

(TG242 and TG243) on molluscan reproductive toxicity are an important develop-

ment, although such tests do not discriminate between ED and non-ED mediated

mechanisms. However, standardized partial or full life-cycle tests should also be

developed for additional invertebrate phyla such as annelids and echinoderms as

they are not only numerous, but also ecologically important taxonomic groups with

a largely unknown endocrine system.

When designing a testing strategy for chemicals that are suspected to act via the

endocrine system, ecotoxicologists should incorporate the lessons learned from

TBT, as they are both numerous and important. The first relates to apparent species

sensitivity. Previously, molluscs were assumed to be the most sensitive group to

TBT, primarily due to overt population effects. However, our analyses demon-

strated that certain fish species are equally if not more sensitive to its effects.

Likewise, the body burden of a chemical should be taken into account especially

when the apparent sensitive species are filter feeders. In many cases, these species

exhibit elevated bioaccumulation because of higher rates of uptake and lower rates

of metabolism compared to other species. Tissue residue toxicity metrics also vastly

improve the characterization of toxic responses because the inherent variability in

toxicokinetics found among species is incorporated and accounted for.
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Another important aspect relates to species extrapolation, particularly when

fundamental aspects of endocrine control are largely unknown. TBT is not the

only chemical with observed effects in invertebrate species that were subject to

erroneous interpretations based on vertebrate endocrinology. The same assumption

was made for the role of estrogens on bivalve vitellogenesis (Gagné et al. 2001),

which resulted in numerous research programs globally attempting to use bivalve

molluscs as model species for studying effects of vertebrate steroids (Scott 2012,

2013). The presence of an estrogen-like receptor in their genome cemented this

assumption without any functional characterization of this receptor (Kishida et al.

2005). Only recently this assumption was proven incorrect (Morthorst et al. 2014),

highlighting yet again the importance of fundamental knowledge before a sound

testing strategy is in place.

Finally, another important lesson learned from TBT is that care should be taken

when dealing with chemicals that display multiple mechanisms of action; the actual

number of these is unknown but they do exist and can lead to incorrect interpreta-

tions of experimental and field data. Retrospective analysis of the TBT data clearly

indicates a dual mode of toxicity (low versus high doses) that is a function of

different MeOA. This highlights the need for comprehensive testing at different

levels and using different species prior to interpretation of data.

10 Conclusions and Recommendations

Environmental TBT concentrations measured post-2008 show that exposure may

still occur in the range 0.1–8 ng/L (mean ¼ 0.3 ng/L) in representative European

surface waters (UK Environment Agency, pers. com. 2016) and in other locations

(e.g., Kim et al. 2014; Ho et al. 2016), suggesting that there is still an environmental

risk from legacy contamination. Risks may be higher in regions of the world with

less effective enforcement. TBT was introduced on the market in the early 1960s, at

a time when regulatory assessment of chemicals was at its infancy. Using deliberate

“retrospective thinking,” and considering the information gathered in this case

study, one important question arises: would TBT be identified as an ED using

current screening and testing methods?

Typical endocrine responses are elicited by compounds that mimic estrogen,

androgen, and thyroid pathway hormones and act via various nuclear receptors.

Tributyltin is not considered a classic endocrine disruptor, because it impacts

reproductive and metabolic pathways primarily through interaction with the reti-

noid X receptor (RXR) and peroxisome proliferator-activated receptor (PPARγ)
nuclear receptors.

Using assays recommended in the OECD CFEDTA, TBT was shown to alter the

sex-ratio and to induce sperm abnormality in the Fish Sexual Development Test

(FSDT) with zebrafish (McAllister and Kime 2003), and to delay frog development

in the AMA (Shi et al. 2014), at low concentrations (0.1 and 10 ng/L, respectively).

It also appeared positive in a FETAX-like assay (Guo et al. 2010). Based upon these
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findings, TBT would be identified as acting on endocrine pathways, although the

specific MeOA (RXR and/or PPAR) would remain unknown. However, refine-

ments to ToxCast™ now allow the identification of endocrine molecular initiating

events through RXR and/or PPAR pathways. TBT activity for in vitro RXR and

PPAR assays typically occurs at levels far less than those for baseline toxicity.

Interestingly, a more thorough evaluation of the available data clearly shows that

TBT is highly toxic to a variety of aquatic taxa. Through a comparative analysis of

the potency of TBT in various aquatic species, our review highlights the observa-

tion that fish are as sensitive, or more so, compared to molluscs when based on

water exposure. This is an important conclusion because molluscs were long

recognized as uniquely sensitive to this compound. TBT’s precise MeOA is still

incompletely understood but may include link/cross-talk between PPARs (i.e.,

carbohydrate, lipid, protein metabolism), RXRs (i.e., development), thyroid

(growth) and even sex determination and differentiation pathways; the latter path-

ways may be stronger affected by TBT exposure in species where environmental

factors play a significant role in determining sex ratios (e.g., zebrafish).

Current screening and assessment methodologies are able to identify TBT as a

potent endocrine disruptor with a high environmental risk. If those approaches were

available when TBT was introduced to the market, it is likely that its use would

have been regulated sooner, thus avoiding the detrimental effects on marine gas-

tropod populations and communities as documented over several decades.

This retrospective evaluation of TBT, a very potent endocrine disruptor in

vertebrates and invertebrates, should serve as an example demonstrating how

shortfalls within the framework of chemical toxicity evaluation can result in

under-protective regulatory assessment. Nowadays, the assays included in the

OECD Conceptual Framework, including those recently developed on gastropod

molluscs would likely recognize TBT as a chemical of concern with respect to

endocrine disruption, although its mechanism of action and potency across taxo-

nomic groups would remain largely unknown. Reflective analysis of well-studied,

but potentially misunderstood contaminants, such as TBT, provides important

lessons that should serve as a guiding principle for future studies and refinements

of assessment protocols.

11 Summary

Tributyltin (TBT) has been recognized as an endocrine disrupting chemical (EDC)

for several decades. However, only in the last decade, was its primary endocrine

mechanism of action (MeOA) elucidated—interactions with the nuclear retinoid-X

receptor (RXR), peroxisome proliferator-activated receptor γ (PPARγ), and their

heterodimers. This molecular initiating event (MIE) alters a range of reproductive,

developmental, and metabolic pathways at the organism level. One of the most

important lessons learned from years of research on TBT concerns apparent species

sensitivity. Several aspects such as the rates of uptake and elimination, chemical
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potency, and metabolic capacity are all important for identifying the most sensitive

species for a given chemical, including EDCs. As recognized for many years,

TBT-induced responses are known to occur at very low concentrations for mol-

luscs, a fact that has more recently also been observed in fish species. This review

explores the MeOA and effects of TBT in different species (aquatic molluscs and

other invertebrates, fish, amphibians, birds and mammals) according to the OECD

Conceptual Framework for Endocrine Disruptor Testing and Assessment

(CFEDTA). The information gathered on biological effects that are relevant for

populations of aquatic animals was used to construct Species Sensitivity Distribu-

tions (SSDs) based on No Observed Effect Concentrations (NOECs) and Lowest

Observed Effect Concentrations (LOECs). Fish appear at the lower end of these

distributions, showing that they are as sensitive as molluscs, and for some species,

even more sensitive. Concentrations in the range of 1 ng/L for water exposure

(10 ng/g for whole-body burden) have been shown to elicit endocrine-type

responses, whereas mortality occurs at water concentrations ten times higher.

Current screening and assessment methodologies as compiled in the OECD

CFEDTA are able to identify TBT as a potent endocrine disruptor with a high

environmental risk for the original use pattern. If those approaches had been

available when TBT was introduced to the market, it is likely that its use would

have been regulated sooner, thus avoiding the detrimental effects on marine gas-

tropod populations and communities as documented over several decades.
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Annexes

Table 1 Updated OECD conceptual framework for testing and assessment of endocrine dis-

rupters (OECD 2012a, b)

Level Mammalian and non-mammalian toxicology

1 • Physical & chemical properties, e.g., MW reactivity, vola-

tility, biodegradability

Existing data and non-test

information

• All available (eco)toxicological data from standardized or

non-standardized tests

• Read across, chemical categories, QSARs and other in silico

predictions, and ADME model predictions

2 • Estrogen or androgen receptor binding affinity

(continued)
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Level Mammalian and non-mammalian toxicology

In vitro assays providing data

about selected endocrine mech-

anism(s)/pathways(s)

• Estrogen receptor transactivation (TG 455–TG 457)

• Androgen or thyroid transactivation (if/when TGs are

available)

• Steroidogenesis in vitro (TG 456)

• MCF-7 cell proliferation assays (ER ant/agonist)

• Other assays as appropriate

Mammalian toxicology Non-mammalian toxicology

3 • Uterotrophic assay (TG

440)

• Xenopus embryo thyroid sig-

naling assay (when/if TG is

available)
In vivo assays providing data

about selected endocrine

mechanism(s)/pathway(s)a • Amphibian metamorphosis

assay (TG 231)

• Hershberger assay (TG

441)

• Fish reproductive screening

assay (TG 229)

• Fish screening assay (TG 230)

• Androgenized female stickle-

back screen (GD 140)

4 • Repeated dose 28-day

study (TG 407)

• Fish sexual development test

(TG 234)

In vivo assays providing data on

adverse effects on endocrine

relevant endpointsb

• Repeated dose 90-day

study (TG 408)

• Fish reproduction partial life-

cycle test (when/if TG is

available)• One-generation repro-

duction toxicity study

(TG 415)

• Larval amphibian growth &

development assay (when TG

is available)• Male pubertal assay

(see GD 150, C4.3)c

• Female pubertal assay

(see GD 150, C4.4)c
• Avian reproduction assay (TG

206)

• Mollusc reproduction test (TG

242–TG 243, adopted 2016)d

• Intact adult male endo-

crine screening assay

(see GD 150, Annex

2.5)

• Chironomid toxicity test (TG

218–219)d

• Daphnia reproduction test (with

male induction) (TG 211)d

• Prenatal developmental

toxicity study (TG 414)
• Earthworm reproduction test

(TG 222)d

• Chronic toxicity and

carcinogenicity studies

(TG 451-3)

• Enchytraeid reproduction test

(TG 220)d

• Sediment water Lumbriculus

toxicity test using spiked sedi-

ment (TG 225)d
• Reproductive screen-

ing test (TG 421 if

enhanced) • Predatory mite reproduction

test in soil (TG 226)d• Combined 28-day/

reproductive screening

assay (TG 422 if

enhanced)

• Collembolan reproduction test

in soil (TG 232)d

• Developmental neuro-

toxicity (TG 426)

(continued)
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Level Mammalian and non-mammalian toxicology

5 • Extended one-genera-

tion reproductive toxic-

ity study (TG 443)e

• Medaka extended one-genera-

tion reproduction test

(MEOGRT) (TG 240)

In vivo assays providing more

comprehensive data on adverse

effects on endocrine relevant

endpoints over more extensive

parts of the life cycle of the

organismb

• Two-generation repro-

duction toxicity study

(TG 416 most recent

update)

• FLCTT (fish life-cycle toxicity

test) (when TG is available)

• Avian two-generation repro-

ductive toxicity assay (when

TG is available)

• Mysid life-cycle toxicity test

(when TG is available)d

• Copepod reproduction and

development test (when TG is

available)d

• Sediment water chironomid

life-cycle toxicity test (OECD

TG 233)d

• Mollusc full life-cycle assays

(when TG is available)d

aSome assays may also provide some evidence of adverse effects
bEffects can be sensitive to more than one mechanism and may be due to non-ED mechanisms
cDepending on the guideline/protocol used, the fact that a substance may interact with a hormone

system in these assays does not necessarily mean that when the substance is used it will cause

adverse effects in humans or ecological systems
dAt present, the available invertebrate assays solely involve apical endpoints which are able to

respond to some endocrine disrupters and some non-EDs. Those in Level 4 are partial life-cycle

tests, while those in Level 5 are full- or multiple life-cycle tests
eThe Extended one-generation reproductive toxicity study (TG 443) is preferable for detecting

endocrine disruption because it provides an evaluation of a number of endocrine endpoints in F1

juvenile and adult, which are not included in the two-generation study (TG 416 adopted 2001)
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Giusti A, Barsi A, Dugué M, Collinet M, Thome JP, Joaquim-Justo C, Roig B, Lagadic L, Ducrot

V (2013a) Reproductive impacts of tributyltin (TBT) and triphenyltin (TPT) in the hermaph-

roditic freshwater gastropod Lymnaea stagnalis. Environ Toxicol Chem 32:1552–1560

Giusti A, Ducrot V, Joaquim-Justo C, Lagadic L (2013b) Testosterone levels and fecundity in the

hermaphroditic aquatic snail Lymnaea stagnalis exposed to testosterone and endocrine

disruptors. Environ Toxicol Chem 32:1740–1745

Gooding MP, LeBlanc GA (2001) Biotransformation and disposition of testosterone in the eastern

mud snail Ilyanassa obsoleta. Gen Comp Endocrinol 122:172–180

Gooding MP, Wilson VS, Folmar LC, Marcovich DT, LeBlanc GA (2003) The biocide tributyltin

reduces the accumulation of testosterone as fatty acid esters in the mud snail (Ilyanassa
obsoleta). Environ Health Perspect 111:426–430

Grimaldi M, Boulahtouf A, Delfosse V, Thouennon E, Bourguet W, Balaguer P (2015) Reporter

cell lines for the characterization of the interactions between human nuclear receptors and

endocrine disruptors. Front Endocrinol 6:62. https://doi.org/10.3389/fendo.2015.00062

Grün F, Watanabe H, Zamanian Z, Maeda L, Arima K, Cubacha R, Gardiner DM, Kanno J,

Iguchi T, Blumberg B (2006) Endocrine-disrupting organotin compounds are potent inducers

of adipogenesis in vertebrates. Mol Endocrinol 20:2141–2155

Guo S, Quan L, Shi H, Barry T, Cao Q, Liu J (2010) Effects of tributyltin (TBT) on Xenopus
tropicalis embryos at environmentally relevant concentrations. Chemosphere 79:529–533

Gutierrez-Mazariegos J, Nadendla EK, Lima D, Pierzchalski K, Jones JW, Kane M, Nishikawa JI,

Hiromori Y, Nakanishi T, Santos MM, Castro LFC, Bourguet W, Schubert M, Laudet V (2014)

A mollusk retinoic acid receptor (RAR) ortholog sheds light on the evolution of ligand binding.

Endocrinology 155:4275–4286

Hahn T, Schulz R (2002) Ecdysteroid synthesis and imaginal disc development in the midge

Chironomus riparius as biomarkers for endocrine effects of tributyltin. Environ Toxicol Chem

21:1052–1057

Hano T, Oshima Y, Kim SG, Satone H, Oba Y, Kitano T, Inoue S, Shimasaki Y, Honjo T (2007)

Tributyltin causes abnormal development in embryos of medaka,Oryzias latipes. Chemosphere

69:927–933

Harazono A, Ema M, Ogawa Y (1996) Pre-implantation embryonic loss induced by tributyltin

chloride in rats. Toxicol Lett 89:185–190

Harazono A, Ema M, Ogawa Y (1998) Evaluation of early embryonic loss induced by Tributyltin

chloride in rats: phase- and dose-dependent antifertility effects. Arch Environ Contam Toxicol

34:94–99

Harding MJC, Rodger GK, Davies IM, Moore JJ (1997) Partial recovery of the dogwhelk (Nucella
lapillus) in Sullom Voe, Shetland from tributyltin contaminations. Mar Environ Res

44:285–304

Haubruge E, Petit F, Gage MJ (2000) Reduced sperm counts in guppies (Poecilia reticulata)
following exposure to low levels of tributyltin and bisphenol A. Proc Roy Soc Lond B

67:2333–2337

Hawkins SJ, Proud SV, Spence SK, Southward AJ (1994) From the individual to the community

and beyond: water quality, stress indicators and key species in coastal waters. In: Sutcliffe DW

(ed) Water quality & stress indicators in marine and freshwater systems: linking levels of

organisation. Ambleside, UK, Freshwater Biological Association, pp 35–62

Heidrich DD, Steckelbroeck S, Klingmuller D (2001) Inhibition of human cytochrome P450

aromatase activity by butyltins. Steroids 66:763–769

Ho KKY, Zhou G-J, EGB X, Wang X, Leung KMY (2016) Long-term spatio-temporal trends of

organotin contaminations in the marine environment of Hong Kong. PLoS One 11(5):

e0155632

Holbech H, Kinnberg K, Petersen GI, Jackson P, Hylland K, Norrgren L, Bjerregaard P (2006)

Detection of endocrine disrupters: evaluation of a fish sexual development test (FSDT). Comp

Biochem Physiol C 144:57–66

Horiguchi T, Shiraishi H, Shimizu M, Morita M (1994) Imposex and organotin compounds in

Thais clavigera and T. bronni in Japan. J Mar Biol Assoc UK 74:651–669

120 L. Lagadic et al.

https://doi.org/10.3389/fendo.2015.00062


Huang Y, Zhu L, Liu G (2006) The effects of bis(tributyltin) oxide on the development, repro-

duction and sex ratio of calanoid copepod Pseudodiaptomus marinus. Estuar Coast Shelf Sci
69:147–152

Huang Y, Zhu LY, Qiu XC, Zhang TW (2010) Effect of bis(tributyltin) oxide on reproduction and

population growth rate of calanoid copepod Schmackeria poplesia. Chinese J Oceanol Limnol

28:280–287

Iguchi T, Katsu Y (2008) Commonality in signaling of endocrine disruption from snail to human.

Bioscience 58:1061–1067

Inoue S, Oshima Y, Nagai K, Yamamoto T, Go J, Kai N, Honjo T (2004) Effect of maternal

exposure to tributyltin on reproduction of the pearl oyster (Pinctada fucata martensii). Environ

Toxicol Chem 23:1276–1281

Inoue S, Oshima Y, Usuki H, Hamaguchi M, Hanamura Y, Kai N, Shimasaki Y, Honjo T (2006)

Effects of tributyltin maternal and/or waterborne exposure on the embryonic development of

the Manila clam, Ruditapes philippinarum. Chemosphere 63:881–888

Janer G, Lavado R, Thibaut R, Porte C (2004) Effects of 17b-estradiol exposure in the mussel

Mytilus galloprovincialis. Mar Environ Res 58:443–446

Jord~ao R, Casas J, Fabrias G, Campos B, Pi~na B, Lemos MF, Soares AM, Tauler R, Barata C

(2015) Obesogens beyond vertebrates: lipid perturbation by tributyltin in the crustacean

Daphnia magna. Environ Health Perspect 123:813–819

Kanayama T, Kobayashi N, Mamiya S, Nakanishi T, Nishikawa J (2005) Organotin compounds

promote adipocyte differentiation as agonists of the peroxisome proliferator-activated receptor

γ/retinoid-X receptor pathway. Mol Pharmacol 67:766–774

Kanda A, Takahashi T, Satake H, Minakata H (2006) Molecular and functional characterization of

a novel gonadotropin-releasing-hormone receptor isolated from the common octopus (Octopus
vulgaris). Biochem J 395:125–135

Kaur S, Jobling S, Jones CS, Noble LR, Routledge EJ, Lockyer AE (2015) The nuclear receptors

of Biomphalaria glabrata and Lottia gigantea: implications for developing new model organ-

isms. PLoS One 10(4)

Kazeto Y, Ijiri S, Place AR, Zohar Y, Trant JM (2001) The 50-flanking regions of CYP19A1 and

CYP19A2 in zebrafish. Biochem Biophys Res Comm 288:503–508

Kim NS, Hong SH, Yim UH, Shin K-H, Shim WJ (2014) Temporal changes in TBT pollution in

water, sediment, and oyster from Jinhae Bay after the total ban in South Korea. Mar Pollut Bull

86:547–554

Kinnberg K, Holbech H, Petersen GI, Bjerregaard P (2007) Effects of the fungicide prochloraz on

the sexual development of zebrafish (Danio rerio). Comp Biochem Physiol C 145:165–170

Kirchner S, Kieu T, Chow C, Casey S, Blumberg B (2010) Prenatal exposure to the environmental

obesogen tributyltin predisposes multipotent stem cells to become adipocytes. Mol Endocrinol

24:526–539

Kishida M, Nakao R, Novillo A, Callard IP, Osada M (2005) Molecular cloning and expression

analysis of cDNA fragments related to estrogen receptor from blue mussel,Mytilus edulis. Proc
Jpn Soc Comp Endocrinol 20:75

Kishta O, Adeeko A, Li D, Luu T, Brawer JR, Morales C, Hermo L, Robaire B, Hales BF,

Barthelemy J, Cyr DG, Trasler JM (2007) In utero exposure to tributyltin chloride differentially

alters male and female fetal gonad morphology and gene expression profiles in the Sprague–

Dawley rat. Reprod Toxicol 23:1–11

Kortner TM, Pavlikova N, Arukwe A (2010) Effects of tributyltin on salmon interrenal CYP11

beta, steroidogenic factor-1 and glucocorticoid receptor transcripts in the presence and absence

of second messenger activator, forskolin. Mar Environ Res 69:S56–S58

Kusk KO, Petersen S (1997) Acute and chronic toxicity of tributyltin and linear alkylbenzene

sulfonate to the marine copepod Acartia tonsa. Environ Toxicol Chem 16:1629–1633

Laflamme L, Hamann G, Messier N, Maltais S, Langlois M-F (2002) RXR acts as a coregulator in

the regulation of genes of the hypothalamo-pituitary axis by thyroid hormone receptors. J Mol

Endocrinol 29:61–72

Tributyltin: Advancing the Science on Assessing Endocrine Disruption with an. . . 121



Lagerstr€om M, Strand J, Eklund Y (2016) Total tin and organotin speciation in historic layers of

antifouling paint on leisure boat hulls. Environ Pollut 220(B):1333–1341

LeBlanc GA, Gooding MP, Sternberg RM (2005) Testosterone-fatty acid esterification: a unique

target for the endocrine toxicity of tributyltin to gastropods. Integr Comp Biol 45:81–87

Leung KMY, Kwong RPY, Ng WC, Horiguchi T, Qiu JW, Yang RQ, Song MY, Jiang GB, Zheng

GJ, Lam PKS (2006) Ecological risk assessments of endocrine disrupting organotin com-

pounds using marine neogastropods in Hong Kong. Chemosphere 65:922–938

Leung KMY, Grist EPM, Morley NJ, Morritt D, Crane M (2007) Chronic toxicity of tributyltin to

development and reproduction of the European freshwater snail Lymnaea stagnalis (L.)

Chemosphere 66:1358–1366

Lewis JA, Baran IJ, Carey JM, Fletcher LE (2010) A contaminant in decline: long-term TBT

monitoring at a naval base in Western Australia. Aust J Ecotoxicol 16:17–34

Lilley TM, Ruokolainen L, Pikkarainen A, Laine VN, Kilpimaa J, Rantala MJ, Nikinmaa M

(2012) Impact of tributyltin on immune response and life history traits of Chironomus riparius:
single and multigeneration effects and recovery from pollution. Environ Sci Technol

46:7382–7389

Lima D, Reis-Henriques MA, Silva R, Santos AI, Castro LFC, Santos MM (2011) Tributyltin-

induced imposex in marine gastropods involves tissue-specific modulation of the retinoid X

receptor. Aquat Toxicol 101:221–227

Lima D, Castro LFC, Coelho I, Lacerda R, Gesto M, Soares J, André A, Capela R, Torres T,
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1 Introduction

In the nature, heavy metals induce serious contamination because of their persis-

tence, high toxicity, and easy transmission through the food chain. It needs to be

emphasized that there is no agreement as to what metals cannot be considered

heavy. Currently, metals with molecular weight over 20 g/mol and/or density

higher than 5 g/mL are designated as heavy metals (Duffus 2002, 2003; Stankovic

et al. 2014; Kim et al. 2015).

Cd, Hg, Pb, and Tl are typical metals that meet the definition and fall into the

group of heavy metals because of their density and molecular weight. These metals

can be found in the nature; however, they have no biological role in animals nor

plants. Other metals such as Co, Cu, Fe,Mn, and Zn also meet the definition of heavy

metals and they are necessary for keeping homeostasis until their level does not

exceed threshold level for toxicity (Van Bussel et al. 2014). Some of the metals are

also typical radioisotopes (Pu and U, for instance), hence this fact should be taken

into consideration and there should be consideredwhether the toxicity ismediated by

the metal properties or there is a pathological process caused by exposure to ionizing

radiation.

Harmful effect of heavy metals is not an easy effect based on an interruption of a

single pathway or interaction with a single molecule. On the contrary, heavy metals

have impact on multiple processes in the body, resulting in pathological conse-

quences. In humans, association between heavy metals and some neurodegenera-

tive disorders like Alzheimer disease, kidney damage, and cancer are discussed

(Pohanka 2014a, b). Apart from the pathologies, heavy metals can be stored in cells.

Both plants and microbes have high potential to accumulate heavy metals, which is

useful in bioremediation (Wang and Sun 2013; Topolska et al. 2014; Hechmi et al.

2015). On the other hand, heavy metals stored in plants may have toxic effect on

animal and human organisms when taken through the food chain.

This review is focused on summarizing the role of heavy metals in plants,

pathology mechanisms, and environmental risks caused by the metals. The moti-

vation for writing this paper was triggered by the fact that despite significant recent

progress in the research of heavy metals, the issue has not been extensively

reviewed. A complex overview of the issue is given in this manuscript, and the

impact of heavy metal toxicity, accumulation in plants, chemical assays and the link

between heavy metals and oxidative stress in plants are also discussed here.
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2 Mobility of Heavy Metals

Metal mobility is influenced by several factors and soil properties such as the

content of organic matter, oxides as well as soil structure and profile development

(Mehes-Smith et al. 2013a). Transport of metals may be enhanced by several

factors including metal association with mobile colloidal size and formation of

metal organic and inorganic complexes that do not sorb to soil solid surfaces (Puls

et al. 1991). According to Mehes-Smith et al. (2013a), soil topography plays a key

role in metal distribution and horizontal mobility. Metals are mobilized by being

captured by root cells from soil particles, bound by the cell wall and then transferred

across the plasma membrane, driven by ATP-dependent proton pumps that catalyze

H+ extrusion across the membrane (Singh et al. 2003). On binding, they displace

cations such as Ca2+ and Mg2+ from the cell walls and membranes (Brunner et al.

2008; Flouty and Khalaf 2015). Binding studies with pectins have demonstrated

that the binding preferences are: Al3+ > Cu2+ > Pb2+ > Zn2+ ¼ Ca2+ or Cu2+ ¼ Pb
2+> Cd2+¼ Zn2> Ca2+ (Franco et al. 2004), Pb2+>> Cu2+> Co2+>Ni2+>> Zn
2+ > Cd2+ (Kartel et al. 1999) or Pb2+ ¼ Cd2+ (Debbaudt et al. 2004), depending on

the origins of the pectin. Pectins are a family of heterogeneous polysaccharides

present in the primary cell wall and in the middle lamella of plant tissue (Guo et al.

2015). In enriched heavy metal environments, some plants will elevate the capacity

of their cell wall to bind metals by increasing polysaccharides, such as pectins

(Colzi et al. 2011). However, the binding capacity can be altered also for other

reasons. The main functional groups of pectin are: hydroxyl, carboxyl, amide, and

methoxyl, and these have been traditionally associated with heavy metal binding,

especially carboxyl groups (which enable the binding of divalent and trivalent

heavy metals ions) with great biosorption and heavy metal removal potential

(Mata et al. 2009). The quantitative data on adsorption performance of pectins

suggest their applicability as food additives or remedies for efficient removal of Pb
2+, Cu2+, Co2+, and Ni2+ ions from different biological systems, including human

and animal organisms (Kartel et al. 1999).

3 Bioavailability and Bioaccessibility

The terms bioaccessibility and bioavailability mean that the chemicals (metals) can

interact with the organism and became available in the parts of organism and can

take an effect. Assessment of the levels of metal bioavailability and bioaccessibility

is critical in understanding the possible effect on soil biota (Ettler et al. 2012). In

general, the availability of metals for plants depends on soil pH and on organic

matter contents (De Matos et al. 2001; Stankovic et al. 2014), yet there are no

standardized protocols for estimating the bioavailable metal content in soil. How-

ever, root-colonizing bacteria and mycorrhiza can significantly increase the bio-

availability of various heavy metal ions for uptake (Singh et al. 2003). The
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mobility, bioavailability, and potential toxicity of a metal in the soil depend on its

concentration in a soil solution, the nature of its association with other soluble

species and the soil’s ability to release the metal from the solid phase to be acquired

by the plants (Violante et al. 2010). Plants with a high bioconcentration factor

(BCF—metal concentration ratio of plant roots to soil) and low translocation factor

(TF—ratio of the concentration of the total amount of metal in leaves compared to

the metal content in roots), e.g. Deschampsia cespitosa, have the potential for

stabilization of ecological system (Galfati et al. 2011). Although tree fine roots

adapt well to conditions with heavy metal contamination, their phytostabilization

capabilities seem to be very low (Brunner et al. 2008; Kalubi et al. 2016). A survey

of heavy metals interaction with a plant body is depicted in Fig. 1.

4 Heavy Metals in Plants

Heavy metals are considered to be an important stress factor for plants. Pathways of

heavy metals in plants are briefly summarized in Fig. 2. If a natural amount of heavy

metals is present in soils, plants are able to avoid their negative impact (Juknys et al.

2012). However, high concentrations of heavy metals cause harmful effect on

cellular and physiological processes in plants (Ma 2005; Dimkpa et al. 2009). The

most abundant heavymetals in soils are Fe andAl. Fe is one of essential elements and

plays an important role in plant nutrition. Mo and Mn are also important

micronutrients: Zn, Ni, Cu, V, Co, W, and Cr belong among trace elements and

As, Hg, Ag, Sb, Cd, Pb have no nutritional or physiological function in plants

(Schützendübel and Polle 2001). Negative impact of these elements is highly

dependent on their concentration in soils as well as in plants (Stankovic et al.

2014). Uptake of heavy metals is influenced by abiotic and biotic conditions. The

value of pH is crucial for the solubility of heavy metals, for example Al and Fe

become soluble and toxic in pH under 7. Another important parameter of heavy

metal uptake are the processes of adsorption, desorption, and complexation, which

are associated with individual soil types. Generally, there are two ways of heavy

metal uptake: passive uptake, based on the concentration gradient across the mem-

brane and inducible substrate-specific and energy-dependent uptake. Heavy metals

Fig. 1 Survey of heavy metals interaction with plant body
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uptake from soil to roots and the subsequent behavior of heavy metals on the level of

tissue and cells are very complex. However, it is necessary to understand this

mechanism to be able to use it in phytoremediation and improve plant tolerance to

heavy metals (Schützendübel and Polle 2001). The issue remains unresolved despite

great effort which has been made since the introduction of phytoremediation. Still,

relevant genes were determined and recent data seem to be promising for future

applications (Ahmad et al. 2016). Lolium perenne (Rees et al. 2015), Alyssum
montanum (Agrawal et al. 2013), Stanleya albescens (Freeman et al. 2010), Nicoti-
ana tabacum and Brassica juncea (Liang et al. 2009), Senecio coronatus (Mesjasz-

Przybyłowicz et al. 2007), Thlaspi arvense and Thlaspi perfoliatum (Freeman et al.

2005) can be mentioned as the typical examples of promising plants (see further

text).

There are several strategies plants employ to cope with high concentrations of

heavy metals in soils. The first method is the prevention of the intake of heavy

metals into plant roots. Heavy metals can be removed from plants by mycorrhizal

association, metal sequestration, or complexation by exuding organic compounds

from roots (Verbruggen et al. 2009; Antosiewicz et al. 2014). These mechanisms

usually immobilize heavy metals. If the plant is not able to avoid heavy metal

uptake, tolerance mechanisms for detoxification are activated. These are metal

sequestration and compartmentalization in various intracellular compartments,

metal ions trafficking, metal binding to cell wall, biosynthesis or accumulation of

Fig. 2 Availability and utilization of heavy metals (HM) in plants
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osmolytes and osmoprotectants. If these strategies fail, antioxidants can help to

keep homeostasis (Gajewska et al. 2013; Emamverdian et al. 2015).

There are several phytotoxicological impacts of heavy metals: inhibition of

enzymes, inactivation of biomolecules, and oxidative stress. Generally, oxidative

stress is defined as imbalance between pro-oxidant and antioxidant level which can

be also entitled as oxidative homeostasis. Oxidative stress is caused by free radicals

and molecules containing activated atoms of oxygen called reactive oxygen species

(ROS), and it is associated with a lack of electrons which cause damage to cell

compounds (Demidchik 2015). Oxidative stress can be induced by high concentra-

tions of heavy metals, and it causes inhibition of growth. There are several

ROS-generating mechanisms where heavy metals participate (Juknys et al. 2012).

Redox-active metals (copper and chrome) can produce hydroxyl radicals (OH•)

which are the most aggressive type of ROS. Metals without redox capacity such as

cadmium, lead, zinc, nickel, etc. can involve singlet oxygen which is able to create

another type of ROS superoxide (O2•). ROS can cause unspecific oxidation of

proteins and membrane lipids, DNA damage, enzyme inhibition by activation of

programmed cell death (Sharma et al. 2012). On the other hand, ROS play an

important role in the plant defense system and cannot be totally eliminated from

plants (Schützendübel and Polle 2001). The harmful effect of reactive oxygen

species is given by their concentration. If the concentration of ROS exceeds the

threshold level for defense mechanisms, the oxidative stress will arise (Sharma

et al. 2012).

5 Toxicity of Heavy Metals

Soils contaminated with heavy metals represent an escalating problem for all living

organisms, such as plants, animals, or humans. In general, mutagenic ability of

heavy metals (Knasmüller et al. 1998) and oxidative stress induction via Fenton and
Haber-Weiss reactions can be mentioned (Jomova and Valko 2011) and many

others can be learned from literature. Adaptive responses of plants to heavy

metal-contaminated environments are efficient processes including many physio-

logical, molecular, genetic, and ecological traits, which give certain species the

ability to survive or to hyperaccumulate the toxic metals (Sarma 2011).

6 Heavy Metal Phytotoxicity and Oxidative Stress Arise

Heavy metal phytotoxicity may result from alterations of numerous physiological

processes caused at cellular/molecular level by inactivating enzymes, blocking

functional groups of metabolically important molecules, displacing or substituting

for essential elements and disrupting membrane integrity, and the phytotoxicity is

an addition of reactive oxygen or nitrogen species releasing in natural pathways like
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photosynthesis, tricarboxylic acid cycle, and Calvin cycle (Rascio and Navari-Izzo

2011). Fenton reaction can be another pathway where both antioxidants and metals

are necessary and interact together. Here, reactive species are results of the inter-

action. The processes are summarized in Fig. 3. Metal-induced oxidative stress has

been strongly linked to early toxicity symptoms (Sharma and Dietz 2009).

Complexation with metal-binding peptides, metallothioneins (MTs, gene-encoded

polypeptides), and phytochelatins (PCs, enzymatically synthesized peptides) results

in formation of non-toxic metabolites protecting cells and the whole organism

(Singh et al. 2003). MTs have three characteristic motifs based on their cysteine

content and structure: Cysteine-Cysteine, Cysteine-X-Cysteine, and Cysteine-X-X-

Cysteine, in which X denotes any amino acid (Mejáre and Bülow 2001). In

angiosperms, MTs can be classified into four types based on the conserved positions

of Cys residues (Cobbet and Goldsbrough 2002), with some general trends in the

expression: type-1 MTs expressed predominantly in roots, type-2 MTs in leaves,

type-3 MTs in fruits, and type-4 MTs in seeds (Guo et al. 2008). PCs are tricar-

boxylic sometimes confusingly described as class III MTs (Cobbet and

Goldsbrough 2002) and can be divided into five main classes: canonical PCs,

homo-PCs [iso(PC)(β-Ala)], hydroxymethyl-PCs [iso(PC)(Ser)], iso-PCs [iso-PC
(Glu)], and desglycine-PCs [des(Gly)PC], containing n γ-Glutamyl-Cysteine

repeats capped C-terminally by a Glycine, β-Alanine, Serine, Glutamic acid, or

no residue, respectively (Zenk 1996).

Metal hyperaccumulation typically occurs in over 500 plant species (yet many

are still unidentified) and approximately in 0.2% of all angiosperms (Sarma 2011),

and metal accumulating plants (of soils in both tropical and temperate zones of all

the continents) are model plants for phytoremediation (use of plants to ameliorate

contaminated sites) and phytomining. The ratio of metals between soil and plant

Fig. 3 Link between oxidative stress and heavy metals in plants
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parts—metal transfer factors from soil (TFS)—is an important criterion for the

selection of model plant species for phytoremediation; ratio >1 means higher

accumulation of metals in plant parts than soil (Barman et al. 2000). According

to Kumar et al. (2013), Parthenium hysterophorus and Spinacia oleracea have TFS
above 1 for Cr, Cu, Ni, Pb, and Cd. Impatiens walleriana is able to accumulate a

tenfold higher concentration of Cd in the shoot than a typical hyperaccumulator and

its TFS values are greater than unity (Wei et al. 2012), while Noccaea caerulescens
has TFS>1 for Ni as a consequence of inoculation (Visioli et al. 2014). Farahat and

Linderholm (2015) stated that the accumulation of Zn, Mn, Cu, and Cd with transfer

factors >1 for wastewater-irrigated trees indicated the ability for metal accumula-

tion of Cupressus sempervirens. Sainger et al. (2011) found out that on the basis of

TFS greater than 1, eight plant species for Zn (Achyranthes aspera, Amaranthus
viridis, Senna occidentalis, Chenopodium album, Croton bonplandianum, Cynodon
dactylon, Saccharum munja, Tephrosia purpurea) and Fe (Vachellia nilotica,
A. aspera, A. viridis, S. occidentalis, C. bonplandianum, C. dactylon, Physalis
minima, T. purpurea), three plant species for Cu (A. aspera, P. minima,
S. munja), and two plant species for Ni (P. minima, T. purpurea) could be consid-

ered as hyperaccumulators (HAs) and used in phytoextraction technology. The

aforementioned HAs are summarized in Table 1.

HAs are plants that belong to distantly related families, but share the ability to

grow on metalliferous soils. These plants are able to accumulate extraordinarily

high amounts of heavy metals in the aerial organs, far in excess of the levels found

in the majority of species, without suffering phytotoxic effects (Rascio and Navari-

Izzo 2011), respectively possesses genetically inherited traits of metals

hyperaccumulation and tolerance. These plants are differentiated from

non-hyperaccumulating species (NHAs), e.g. Lolium perenne (Rees et al. 2015),

Alyssum montanum (Agrawal et al. 2013), Stanleya albescens (Freeman et al.

2010), Nicotiana tabacum and Brassica juncea (Liang et al. 2009), Senecio
coronatus (Mesjasz-Przybyłowicz et al. 2007), Thlaspi arvense and Thlaspi
perfoliatum (Freeman et al. 2005), by a highly increased ratio of heavy metal

uptake (at concentrations 100- to 1000-fold higher than those found in NHAs).

An important role is also played by faster translocation of metals from roots to

shoots, and a better ability to detoxify and sequester heavy metals in leaves, where

constitutive overexpression of genes, e.g.OsZIP4 and AhHMA4 (Antosiewicz et al.

2014), CsHMA3 (Park et al. 2014), AtHMA4 (Verret et al. 2004; Siemianowski

et al. 2014), SaMTP1 (Zhang et al. 2011), TcYSL3 (Gendre et al. 2006), encodes

transmembrane transporters. Ricachenevsky et al. (2013) revealed that although

useful in basic studies of gene function, constitutive over-expression changes metal

homeostasis in all organs, and often affects the uptake and distribution of more than

one element.

Mechanisms involved in heavy metal increased tolerance and heavy metal

distribution in an excluder non-hyperaccumulator and a hyperaccumulator plant:

heavy metal binding to the cell walls and/or cell exudates, root uptake, chelation in

the cytosol and/or sequestration in vacuoles, root-to-shoot translocation. The spots

indicate the plant organ in which the different mechanisms occur and the spot sizes
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indicate their level. According to the elemental defense hypothesis the high heavy

metal concentrations make hyperaccumulator leaves poisonous to herbivores

(Rascio and Navari-Izzo 2011).

Initially, the term HAs referred to plants that were able to accumulate more than

1 mg/g of Ni (dry weight) in the shoot, an exceptionally high heavy metal concen-

tration considering that in vegetative organs of most plants Ni toxicity starts from

10 to 15 μg/g (Rascio and Navari-Izzo 2011). As defined by specific phytotoxicity

of other heavy metals—HAs are plants that, when growing on native soils, concen-

trate >10 mg/g (1%) Mn or Zn, >1 mg/g (0.1%) As, Co, Cr, Cu, Pb, Sb, Se or Tl,

and >0.1 mg/g (0.01%) Cd in the aerial organs, without suffering phytotoxic

damage (Verbruggen et al. 2009). Ni is hyperaccumulated by the largest amount

of species (more than 75%) and reaches the highest concentration in a plant, while a

low number of HAs have been found for Cd, which is one of the most toxic heavy

metals (Rascio and Navari-Izzo 2011). Zn HAs are likewise less numerous. For

example, the Thlaspi family are hyperaccumulating plants among which 23 species

hyperaccumulate Ni, 10 species hyperaccumulate Zn, just 3 species

(T. caerulescens, T. praecox, and T. goesingense) hyperaccumulate Cd and 1 species

(T. praecox) hyperaccumulates Pb (Miransari 2011).

Table 1 Selected plants

(hyperaccumulators) with

high efficacy to accumulate

heavy metals

Metal Plant Family

Zn Achyranthus aspera Amaranthaceae

Amaranthus viridis Amaranthaceae

Senna (Cassia) occidentalis Fabaceae

Chenopodium album Amaranthaceae

Croton bonplandianum Euphorbiaceae

Cyanodon dactylon Poaceae

Saccharum munja Poaceae

Tephrosia purpurea Fabaceae

Fe Vachellia (Acacia) nilotica Fabaceae

Achyranthus aspera Amaranthaceae

Amaranthus viridis Amaranthaceae

Senna (Cassia) occidentalis Fabaceae

Croton bonplandianum Euphorbiaceae

Cyanodon dactylon Poaceae

Physalis minima Solanaceae

Tephrosia purpurea Fabaceae

Cu Achyranthus aspera Amaranthaceae

Physalis minima Solanaceae

Saccharum munja Poaceae

Ni Saccharum munja Poaceae

Tephrosia purpurea Fabaceae

Cd Cupressus sempervirens Cupressaceae

Data acquired from Sainger et al. (2011), Farahat and Linderholm

(2015)
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To be considered as HAs, plants have to meet also these criteria: shoot/root

quotient higher than 1, i.e. level of heavy metal in the shoot divided by the level of

heavy metal in the root, and extraction coefficient higher than 1, i.e. level of heavy

metal in the shoot divided by the total level of heavy metal in the soil (Mganga et al.

2011).

Plants growing on metalliferous soils can be grouped into three categories:

excluders, indicators, and accumulators/HAs (Bhargava et al. 2012). Most HAs

are endemic to metalliferous soils, behaving as “strict metallophytes,” whereas

some “facultative metallophytes” can live also on non-metalliferous ones, although

they are more prevalent on metal-enriched habitats (Assunç~ao et al. 2003). More-

over, there are species that embrace both metallicolous and non-metallicolous

populations.

An interesting feature revealed by research is that most key steps in

hyperaccumulation do not rely on novel genes, but depend on genes common to

HAs and NHAs that are differently expressed and regulated in the two kinds of

plants (Verbruggen et al. 2009), such as members of ZIP (Zinc-regulated trans-

porter, Iron-regulated transporter Protein), HMA (Heavy Metal transporting

ATPase), MATE (Multidrug And Toxin Efflux), YSL (Yellow Strip 1-Like pro-

tein), CAX (Cation Exchanger), NRAMP (Natural Resistance-Associated Macro-

phage Protein), and CDF (Cation Diffusion Facilitator), resp. MTP (Metal

Tolerance Protein) families. Lin et al. (2014) listed in their study also genes

belonging to PCR (Plant Cadmium Resistance), PDR (Pleiotropic Drug Resistance

protein), and PDF (Plant Defensin) families, as well as transcripts related to metal

chelator and metal chelator transporter functions, such as genes of NAS

(Nicotianamine Synthase), PCS (Phytochelatin Synthase), MT, ZIF (Zinc Induced

Facilitator), and MRP/ABC (Multidrug Resistance-associated Protein/ATP-Bind-

ing Cassette transporter). De Abreu-Neto et al. (2013) studied two large families of

genes encoding HIPP (Heavy metal-associated Isoprenylated Plant Protein) and

HPP (Heavy metal-associated Plant Protein). In addition, Krämer et al. (2007)

reported other well-known proteins that mediate the transport of transition metals

in plants, which belong to the following families: OPT (Oligopeptide Transporter),

MFS (Major Facilitator Superfamily), COPT (Copper Transporter), CCC1 (Ca2+-

sensitive Cross Complementer 1), IREG (Iron-Regulated protein) and ATM (ABC

Transporters of the Mitochondria). Several cation transporters have been identified

in recent years, most of which are also in the SAMS (S-Adenosyl-Methionine

Synthetase) and FER (Ferritin Fe (III) binding) families (Bhargava et al. 2012).

Yet not every member of all these families listed above has been functionally

characterized and therefore, further study is required before their roles and func-

tions are fully understood.

Molecular technique provides better understanding of the gene regulation sys-

tems and plant metal homeostasis. In order to protect themselves from the oxidative

stress, plants have several antioxidative defense systems to scavenge toxic radicals.

This defensibility is divided into two main classes: low molecular weight antiox-

idants, which comprise lipid-soluble membrane-associated antioxidants (e.g.,

α-tocopherol, β-carotene) and the water-soluble reductants (e.g., glutathione,
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ascorbate); and antioxidative enzymes—superoxide dismutase (SOD), ascorbate

peroxidase (APX), catalase (CAT), and glutathione reductase (GR) (Sarma 2011;

Zaimoglu et al. 2011; Gupta and Ahmad 2013; Mehes-Smith et al. 2013b; Adrees

et al. 2015; Lou et al. 2015).

There are three main strategies involved during the detoxification of metallic

ions: phytovolatilization and/or chemical transformation (the chemical conversion

of toxic elements into less toxic and volatile compounds results in the removal of

harmful elements from plant tissues), efflux from the cytoplasm, and binding or

chelation of trace elements (Singh et al. 2003). In particular, chelation is the most

widespread intracellular mechanism for the maintenance of low concentrations and

detoxification of free ion metals in plant cytoplasm that can be performed by thiol

compounds (such as tripeptide glutathione, metallothioneins (MTs),

phytochelatins), and also by non-thiol compounds (such as organic acids and

amino acids, e.g. histidine, nicotianamine) (Seth et al. 2012; Anjum et al. 2015).

GSH, a tripeptide (γ-Glu-Cys-Gly), is recognized as an antioxidant that plays a key
role in the defense mechanism of plants (Nahar et al. 2015) and it is a precursor for

the synthesis of phytochelatins (family of peptides structurally related to GSH) in

metal-exposed plants (Hossain and Komatsu 2013). MTs are low-molecular-

weight, cysteine-rich proteins that have high affinity for binding metal cations,

and their overexpression can increase plant tolerance to specific metals (Fernandez

et al. 2012; Lv et al. 2013). Other compounds like the phenolic one can be involved

in the protection and compounds like anthraquinones and flavonoids are important.

Phytochelatins (PCs) are also a family of metal-complexing peptides which are

rapidly induced on overexposure to metals or metalloids in plants, animals, and

some yeasts (Vatamaniuk et al. 2001) and they can bind metals possessing a high

affinity to sulfhydryl groups (Anjum et al. 2015).

7 Heavy Metals and Plant Saccharide Metabolism

7.1 Plant Saccharide Metabolism

Plant saccharide metabolism depends on photosynthesis and the Calvin cycle,

i.e. two elemental processes that take place in a plant cell, namely inside the

chloroplast. Photosynthesis is a process where water and sunlight are absorbed

from the air and converted into chemical macroergic compounds (ATP, NADPH)

used in subsequent reactions for production of proteins, fats, and carbohydrates.

The Calvin cycle is a series of reactions following photosynthesis, where produced

ATP and NADPH are utilized for the formation of 3-phosphoglyceraldehyde from

carbon dioxide and ribulose-1,5-bisphosphate. Subsequently, D-fructose-6-phos-

phate as a precursor of D-glucose-6-phosphate and of D-mannose-6-phosphate is

enzymatically produced (Fig. 4). These basic saccharides can be converted into

other saccharides or can enter protein, fat, or nucleic acid metabolism (Velisek and

Cejpek 2005a; Tamoi et al. 2006).
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Saccharides, of both plant and animal origin, are the primary products of

photosynthesis and the Calvin cycle and they can be divided into three groups:

monosaccharides, oligosaccharides, and polysaccharides. Monosaccharides are the

most basic and the most important part of plant metabolism. Types of monosac-

charides are distinguished according to the count of carbon molecules in their

structure; five- and six-carbon sugars belong to the most frequently occurring

ones in the nature. 3-phosphoglyceraldehyde produced during the first enzymati-

cally catalyzed reaction of the Calvin cycle belongs to three-carbon sugars, and its

two molecules are important for the synthesis of D-fructose-6-phosphate, the pre-

cursor of all plant sugars. Subsequent monosaccharide metabolic processes are

shown in Fig. 5 (Velisek and Cejpek 2005a; Hu et al. 2014).

Oligosaccharides can be defined as low-molecular-weight carbohydrates

consisting of monosaccharide units (at least two but no more than ten of them)

held together by a glycosidic bond. Polysaccharides are macromolecules of carbo-

hydrates consisting of monosaccharide units (more than ten) that are also held

together by a glycosidic bond. The molecular weight of oligosaccharides ranges

between that of monosaccharides and polysaccharides in the nature. All types of

sugars have great meaning for the plant itself as well as for animal and human diet

and development, structure, and metabolism of these organisms (Velisek and

Cejpek 2005b; Mussatto and Mancilha 2007; Kurd and Samavati 2015).

7.2 Important Plant Saccharides

Glucose and fructose are the most important monosaccharides in plant metabolism.

They have a storage function (preservation of energy as monosaccharides or as

oligosaccharides) and a structural function (structural polysaccharides such as

starch and cellulose) (Velisek and Cejpek 2005b; Hieu et al. 2015). Fructose enters

glycolysis and respiration and it also serves as a precursor for fat and protein

synthesis. Fructose can also be transformed into activated forms of glucose and

Fig. 4 Scheme of basic plant metabolism
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mannose, precursors of the synthesis of other mono-, oligo-, and polysaccharides

(Velisek and Cejpek 2005a). Glucose and fructose have the function of signal

molecules; they are able to begin hexose-based metabolism in the membrane or

in the cytoplasm (Winter and Huber 2000; Koch 2004). The activated form of

glucose (UDP-D-glucose) also serves as a precursor for the synthesis of UDP-D-

glucuronic acid, and this conversion is the first step of the synthesis of nucleotide

sugars (UDP-D-apiose, UDP-L-arabinose, and UDP-D-xylose) (Reiter and Vanzin

2001).

Sucrose and trehalose belong to one of the few free and the most frequently

naturally occurring non-reducing disaccharides in plants. Unlike trehalose, which

can only be found in few higher plant species, sucrose occurs even in algae,

cyanobacteria, lower plants and all oxygenic photosynthetic organisms (Wingler

2002; Salerno and Curatti 2003). Sucrose, which consists of fructose and glucose

units held together by a glycosidic bond, has a major role in many processes like

cell growth, development, signaling, etc. (Cumino et al. 2002; Hieu et al. 2015;

Rorabaugh et al. 2015). It has an important metabolic role as a donor of glucosyl

and fructosyl moiety initiating the synthesis of polysaccharides and nucleotide

sugars. Trehalose is composed of two glucose units connected by a glycosidic

bond and it has storage, transport, and protective functions during heat stress and

dehydration (Wingler 2002; Salerno and Curatti 2003).

Cellulose, callose, and pectin are the most important plant cell wall polysaccha-

rides. Starch and fructans are the major plant storage sugars (Velisek and Cejpek

Fig. 5 Scheme of plant saccharide metabolism
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2005b). Both cellulose, i.e. a homogenous polymer of β-(1,4) glucose, and callose,

i.e. a β-(1,3) glucose polymer, are synthesized from UDP-glucose, but cellulose is

generated in the plasma membrane, and callose-like pectin originates in the Golgi

apparatus (Amor et al. 1995; Perrin 2001; Reiter 2002). Unlike callose and starch,

glucose residues of cellulose are repeated in their structural chains (Brown et al.

1996). Cellulose is responsible for cell growth, shape, tissue morphology, and

extension (Perrin 2001). Callose is rarely generated within in vivo plant metabo-

lism; however, it can be found in cell plates, sieve tubes and during some stages of

mega- and microsporogenesis. Callose is responsible for plants’ wound, stress and
infection responses, and it is part of structures involved in cell growth and differ-

entiation (Brown et al. 1996; Kudlicka and Brown 1997). Pectin is composed of

α-1,4-glucuronic acid residues occurring in the primary wall of all higher plants

except grasses and relative plants, and it plays a major role in cell wall structure,

growth, and development (Velisek and Cejpek 2005b).

Starch is a plant polysaccharide consisting of two glucose homopolymers—

amylose and amylopectin. Amylopectin is structurally close to the animal polysac-

charide of glycogen, it is highly branched and formed of α-(1,4)-linked and α-(1,6)-
branched glucose chains (Myers et al. 2000; Li et al. 2015a, b). Amylose has a

linear structure consisting of glucose units with α-(1,4) bonds. Starch is generated

in leaves during the day when it is stored in chloroplasts, and it is utilized for

sucrose synthesis during the night. Fructans serve for the deposition of energy in

flowering plants. They are made up of β-(1,2) fructose units linked together, and the
end unit of glucose is usually bound (Velisek and Cejpek 2005b; Wasserman et al.

2015).

7.3 Heavy Metal Toxic Effect on Plant Saccharides

Saccharides biosynthesis pathway in plant metabolism includes fixation of carbon

dioxide (the Calvin cycle), metabolic transformation of basic monosaccharides into

other monosaccharides, and finally the distribution of saccharides throughout the

plant and their storage or utilization (Slewinski and Braun 2010). Metals, such as

Zn, Fe, Cu, and others, have great influence on plant metabolism and structure and

they are required as co-factors in many enzymatically catalyzed reactions. Their

major contribution is based on the ability to affect plant photosynthesis, respiration,

ethylene perception, circadian clock, and programmed cell death, and they partic-

ipate on the protection of plant metabolism (Clemens 2006; Garcia et al. 2014). On

the other hand, higher concentrations of metals are toxic for plants. Most metals

inhibit plant growth due to their interference with elements that are essential for

enzymatic functions. Additionally, natural redox activity of heavy metals (Cu, Fe)

requested under physiological conditions may increase the plant’s production of

reactive oxygen species in high metal concentrations. The synthesis of chlorophyll

and other photosynthetic pigments in plant leaves is also decreased by the long-term

effect of heavy metals. Reduction of pigments is caused either due to the inhibition
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of the enzymatic system of chloroplasts or due to insufficiency of essential com-

pounds (Das et al. 1997; Chettri et al. 1998; Fargasova 2004; Clemens 2006; Mera

et al. 2016). As a result of human activity, heavy metals begin to be more available

in soils and natural sources, ecosystems become damaged, and plant metabolism is

disrupted (Das et al. 1997; He et al. 2015).

The toxic effect of heavy metals also leads to inhibition of saccharide metabo-

lism in plants. Four basic metals have been reported as toxic for plant metabolism.

Ni is able to affect the mobilization of saccharides in germinating seeds. Pb may

decelerate root growth via increased saccharide contents and retard saccharide

metabolizing enzymes: α-amylase, β-amylase and invertase as well as Cu and Cd

(Solanki and Dhankhar 2011; Sethy and Ghosh 2013).

The effect of Cd on plant metabolism was examined in many studies. Cd is toxic

for plants where it becomes accumulated and also for animals that eat plants

affected by this metal. Nevertheless, Cd has the most toxic effect on the human

body where it gets accumulated in organs after the consumption of food containing

Cd (Kirkham 2006).

Hédiji et al. (2010) studied the long-term effect of Cd on the growth and

metabolic profile of tomato plants, namely its influence on the metabolism of

carotenoids, carbohydrates, organic acids, and amino acids. Tomato plants were

treated with two concentrations of Cd (20 and 100 μmol/L). The content of soluble

carbohydrates (glucose, fructose, and sucrose) was found out on the basis of

saccharide metabolism. Results showed an increase in glucose and sucrose concen-

trations in mature leaves treated with 100 μmol/L of Cd. Treatment with 20 μmol/L

of Cd exhibited an increase in the concentration of sucrose and a decrease in the

concentration of glucose and fructose. The mechanism of Cd interference with

carbohydrate metabolism, especially the inhibition of the activity of invertase

caused by Cd, was proposed as an explanation of soluble saccharides accumulation

(Hédiji et al. 2010).

Rahoui et al. (2015) studied the effect of Cd on seedlings of six Medicago
truncatula lines with different Cd susceptibility. The content of total soluble sugars,
glucose, fructose, and sucrose was determined during 6 days of Cd treatment. Results

showed that saccharide metabolism was a key component of Cd stress response.

While Cd-tolerant lines ofM. truncatula were characterized by high concentrations
of glucose and/or sucrose in embryonic axes, high concentrations of fructose were

determined in embryonic axes of susceptible lines of M. truncatula. The content of
saccharides in susceptible lines was higher than in the tolerant lines. In contrast,

tolerant lines showed higher mobilization of total soluble sugars and over-

consumption of glucose under the toxic effect of Cd. Both lines affected sugar

transport (Rahoui et al. 2015).

An increase in other saccharides (galactose, myoinositol, trehalose, and raffi-

nose) was observed after Cd-treatment of Arabidopsis thaliana in the study of Sun

et al. (2010).

Earlier studies suggested some pathways of Cd influence on plant saccharide

metabolism: metallo-inhibition of saccharide transport in the bean and rice (Moya

et al. 1993), Cd-caused reduction of saccharide transport and altering of α-amylase
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activity in cotyledon of the pea and the faba bean (Mihoub et al. 2005; Rahoui et al.

2008, 2010). Probably many other Cd-influenced mechanisms are taking place in

plant organisms (Rahoui et al. 2015).

Since not only Cd has toxic effect on plant metabolism, studies using other heavy

metals or multiple heavy metals together as noxious substances were performed.

The effect of Cd and Pb on growth and biochemical parameters was determined by

John et al. (2008) on the water plant of Lemna polyrhiza L., which is known for its

great ability to accumulate heavy metals. Plants were observed for their content of

soluble sugars during 30 days of treatment with different concentrations of Cd and

Pb. The findings showed that lower concentrations of Cd and Pb increased the content

of soluble sugars. In contrast, higher concentrations of the metals (Cd >5 mg/kg of

soil) decreased sugar content, which was probably caused by photosynthetic inhibi-

tion, by over-stimulation of respiration or by possible interaction with the active site

of ribulosebisphosphate carboxylase (John et al. 2008).

The effect of Cu on the content of saccharides in 20-day-old cucumber plants

was examined by Alaoui-Sossé et al. (2004). The content of starch and sucrose was

measured in the first and second leaves and in roots. Starch was increased in both

types of leaves when compared to controls, but the content of starch in the first

leaves was significantly higher than in the second leaves. Starch was not detected in

roots. The content of sucrose was similarly increased in both types of leaves, but it

was not affected in roots. Saccharide accumulation may result from Cu inhibition of

photosynthesis. However, it may also be a result of a decrease in phloem loading, a

problem with the capacity of assimilate transport or it may be caused by a reduction

of the utilization of nutrients including saccharides (Alaoui-Sossé et al. 2004).

Saccharides belong to significant nutrients in plant metabolism. They are the first

products of CO2 fixation, a precursor of the synthesis of many important organic

compounds, they create energy for respiration, protect plants from wounds, infec-

tions, and stress situations, and they take care about detoxification pathways.

Therefore, the disruption of saccharide metabolism may lead to a loss of the

protective ability and structural integrity of the whole plant (Solanki and Dhankhar

2011).

8 Determination of Heavy Metals and Oxidative Stress

8.1 Determination of Heavy Metals in Biological Samples

The contamination of ecosystems and exposure to toxic metals is a significant

worldwide burden. Therefore, biomonitoring techniques are getting more relevant

because they may help to recognize contaminated area or crop, distribution of

metals in the ecosystem and control of potential environmental hazards caused by

heavy metal pollution (Ugulu 2015).
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Major analytical techniques used to determine heavy metals in environmental

matrices are Atomic Absorption Spectrometry (AAS), Inductively Coupled Plasma

Atomic Emission Spectrometry (ICP/AES), Inductively Coupled Plasma Mass

Spectrometry (ICP/MS), Neutron Activation Analysis (NAA), X-ray fluorescence

(XRF), and Ion Chromatography (IC) (Li et al. 2015a, b; Markiewicz et al. 2015;

Muller et al. 2015).

A large number of studies implemented so far to evaluate heavy-metal toxicity

have focused on the development of analytical methods for the assessment of toxic

species in diverse samples, mostly using techniques for elemental analysis,

e.g. atomic absorption and emission spectroscopy, and inductively coupled

plasma-mass spectrometry being probably the most widely used analytical tech-

nique for both multi-elemental analysis and speciation (Luque-Garcia et al. 2011).

In recent years, improvements in protein separation and identification methods

and the progress of genomic knowledge have led to an enhancement in the

utilization of proteomic techniques to answer biological questions (Isaacson et al.

2006). Plenty of investigations have shown that proteomics, in conjunction with

bioinformatics tools, can facilitate the discovery of new, better biomarkers of metal

exposure (Zhai et al. 2005).

Various proteomic approaches are accessible, including gel-based and gel-free

methods. The most commonly used method in metal-toxicity-related proteomic

studies is classical two-dimensional gel electrophoresis (2-DE), which has been

predominantly coupled with Edman sequencing or peptide-mass fingerprinting

(PMF) by means of a matrix-assisted laser desorption ionization-time-of-flight

(MALDI-TOF) mass spectrometer (Luque-Garcia et al. 2011); a less frequent

option is to use tandem MS (MS2) {MALDI-TOF/TOF or LC-MS2}, allowing

sequencing of peptides and providing more confident protein identification.

A non-gel-based method, e.g. multidimensional protein identification technol-

ogy (MudPIT), which involves the generation of peptides from a complex protein

mixture, followed by two-dimensional chromatographic separation (Visioli et al.

2010), can partly resolve problems that are connected with the use of gel-based

proteomic strategies.

According to Luque-Garcia et al. (2011), in the past decade, several quantitative

proteomic strategies based on labeling proteins and peptides have been developed,

e.g. isotope-coded affinity tag (ICAT), stable-isotope labeling by amino acids in

cell culture (SILAC), isobaric tags for relative and absolute quantitation (iTRAQ),

isotope-coded protein label (ICPL), N-terminal labeling, labeling with heavy water

and even label-free techniques.

In general, the methods of analysis for the determination of heavy metals are

changing to meet new or unforeseen conditions, and to ensure precision of mea-

surement. The current analytical methods are precise enough to cover demand for

the samples processing. On the other hand, prices of MS devices are still too high to

be available for small labs or small companies, and research as well as introduction

of simple measuring protocols is still desired. Last but not least important thing in

actual literature is the limited number of analyses. As mentioned, modern/actual

instrumentation and measurements are very expensive so the precious data for
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individual experiments are still very limited in number. Actual statistical and

scientifically used programs like Statistica or C, C++, R-languages show perfectly

values and trends of measured data but need still at least 7 analyses. However, X0

analyses are highly needed for appropriate modeling and better understanding of

the real problems. For more details about statistical approach and modern uses of

statistics in science, see, for example: Rencher (2002); Ostrouchov et al. (2012);

Cass (2016).

8.2 Determination of Oxidative Stress

Three ways can be chosen for the determination of oxidative homeostasis and to

judge whether homeostasis was disturbed and oxidative stress arose. Because ROS

are not stable, they are not suitable as readily determinedmarkers and therefore stable

adducts. Therefore, products of radical mediated reactions and oxidized macromol-

ecules serve as direct markers. Protein carbonyls, malondialdehyde as a product of

radical degradation of lipids and 8-oxo-deoxyguanosine can be introduced as typical

markers of oxidative damage (Yang et al. 2012; Pohanka 2013; Samsel et al. 2013).

Malondialdehyde and protein carbonyls can be simply assayed in biological samples

by spectrophotometry (Pohanka 2014c). 8-Oxo-deoxyguanosine can be determined

by a competitive immunoassay like Enzyme-Linked Immunosorbent Assay (Gedik

et al. 2002). Chromatography techniques for analysis of stress markers are available

as well (Al-Rimawi 2015).

The occurrence of oxidative imbalance is followed by the expression of enzymes

serving as antioxidants, i.e. enzymes with the ability to detoxify ROS. Such

enzymes can be used as markers, and the emergence of oxidative stress can be

deduced from their huge presence in plant tissues. Superoxide dismutase is a typical

enzyme with significant antioxidant potency, and it is easily used as a marker of

oxidative stress in plants (Cui et al. 2015; Jain et al. 2015; Rady and Hemida 2015).

Catalase and peroxidase are other enzymes expressed under stress conditions (Naz

et al. 2015).

Important information about a plant’s condition and its ability to suppress

oxidative stress can be learned from the measurement of the total level of low

molecular weight antioxidants. In principle, the total level of antioxidants can be

measured in two ways. Firstly, antioxidants can be identified as chemical entities

and their amount is typically determined by chromatography (Abdennacer et al.

2015; Wang et al. 2015). Secondly, the total antioxidant capacity is measured by a

simple technique. Assays named after the used reagent or principle of assay, such as

ABTS [from 2,20-azino-bis(3-ethylbenzothiazoline-6-sulfonic acid)], FRAP (from

ferric reducing antioxidant power), ORAC (Oxygen Radical Absorbance Capacity),

and DPPH (2,2-diphenyl-1-picrylhydrazyl) can be mentioned as examples

(Ramirez-Anaya Jdel et al. 2015; Zhang et al. 2015). These approaches are simpler

when compared to chromatography, and they achieve complex results. On the other

hand, the information as to whether all or an isolated type of antioxidants are
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depleted remains hidden. Ascorbic acid, epigallocatechin gallate, quercetin, and its

derivatives are examples of typical plants’ low molecular weight antioxidants

(El-Hawary et al. 2011). Markers of oxidative stress are briefly summarized in

Table 2.

9 Conclusions

Heavy metals represent a significant problem for the environment especially in

former industrial areas. Long- term persistence of heavy metals is another problem

which significantly worsens impact of heavy metals on the environment. Although

most attention pertaining to this issue has been focused on their toxicity with

respect to humans and animals, plants are not saved from the harmful impact of

heavy metals either. Still, plants are potent in protecting themselves from heavy

metals because of their ability to cumulate and distribute the metals into their body

and store them for a long time. Undoubtedly, differences between certain plants and

reasons why some plant species are more sensitive to the presence of metals or

better at accumulating them have not been fully understood. The impact on

oxidative homeostasis and the development of ROS during the exposure is probably

one of significant effects mediated by heavy metals. However, more work on the

issue should be done prior to making any definitive conclusions. Further research

should be focused on both studying of metals impact on the plants including

identification of pathological mechanisms, and establishing of processes where

plants can serve as a tool for the metals remove from the environments.

10 Summary

Though toxicity of heavy metals is known in a junction to human health and animal

laboratory models, plants appears to be out of the knowledge. It is a little surprising

because environmental impact of heavy metals is also mediated through plants. In

Table 2 Markers of oxidative stress

Pathway Exampled markers References

Markers of oxidative

damage

8-Oxo-deoxyguanosine, protein carbonyl,

malondialdehyde

(Yang et al. 2012;

Pohanka 2013; Samsel

et al. 2013)

Enzymes expressed

because of oxidative

stress

Superoxide dismutase, catalase,

peroxidase

(Cui et al. 2015; Jain et al.

2015; Rady and Hemida

2015)

Keeping of total

antioxidant power

Lowmolecular weight antioxidants such as

ascorbic acid, epigallocatechin gallate,

quercetin

(El-Hawary et al. 2011)
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this paper, basic facts about heavy metals, their distribution in soil, mobility,

accumulation by plants, and initiation of oxidative stress including the decline in

basal metabolism are presented. The both actual and frontier studies in the field are

summarized and discussed. The major pathophysiological pathways are introduced

and known relations between heavy metals and their ability to initiate an oxidative

damage are outlined for plants. Mobility and bioaccessibility are other factors that

should be taken into consideration when heavy metals toxicity is evaluated and the

both factors are discussed here. This review contains a wide discussion about metals

like lead, mercury, copper, cadmium, iron, zinc, nickel, and vanadium. This survey

can be concluded by a statement that heavy metals are significant contributors to

pathological processes in most of the known and studied plants and oxidative stress

takes place in these processes.
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oxidative stress and growth of spring barley. Cent Eur J Biol 7(2):299–306. https://doi.org/10.

2478/s11535-012-0012-9

Kalubi KN, Mehes-Smith M, Omri A (2016) Comparative analysis of metal translocation in red

maple (Acer rubrum) and trembling aspen (Populus tremuloides) populations from stressed

ecosystems contaminated with metals. Chem Ecol 32(4):312–323. https://doi.org/10.1080/

02757540.2016.1142978

Kartel MT, Kupchik LA, Veisov BK (1999) Evaluation of pectin binding of heavy metal ions in

aqueous solutions. Chemosphere 38(11):2591–2596. https://doi.org/10.1016/S0045-6535(98)

00466-4

Kim RY, Yoon JK, Kim TS, Yang JE, Owns G, Kim KR (2015) Bioavailability of heavy metals in

soils: definitions and practical implementation—a critical review. Environ Geochem Health 37

(6):1041–1061. https://doi.org/10.1007/s10653-015-9695-y

Kirkham MB (2006) Cadmium in plants on polluted soils: effects of soil factors,

hyperaccumulation, and amendments. Geoderma 137(1):19–32. https://doi.org/10.1016/j.

geoderma.2006.08.024

Knasmüller S, Gottmann E, Steinkellner H et al (1998) Detection of genotoxic effects of heavy

metal contaminated soils with plant bioassays. Mutat Res 420(1–3):37–48. https://doi.org/10.

1016/S1383-5718(98)00145-4

Oxidative Stress and Heavy Metals in Plants 151

https://doi.org/10.1177/0748233712436639
https://doi.org/10.1177/0748233712436639
https://doi.org/10.3389/fpls.2015.01136
https://doi.org/10.1080/15226514.2013.851169
https://doi.org/10.1080/15226514.2013.851169
https://doi.org/10.1016/j.ecoenv.2010.08.014
https://doi.org/10.1016/j.ecoenv.2010.08.014
https://doi.org/10.1016/j.saa.2014.10.108
https://doi.org/10.3389/fpls.2012.00310
https://doi.org/10.3389/fpls.2012.00310
https://doi.org/10.1016/j.carbpol.2013.11.054
https://doi.org/10.1016/j.carbpol.2013.11.054
https://doi.org/10.1038/nprot.2006.102
https://doi.org/10.1038/nprot.2006.102
https://doi.org/10.1007/s12355-014-0317-2
https://doi.org/10.1016/j.tox.2011.03.001
https://doi.org/10.2478/s11535-012-0012-9
https://doi.org/10.2478/s11535-012-0012-9
https://doi.org/10.1080/02757540.2016.1142978
https://doi.org/10.1080/02757540.2016.1142978
https://doi.org/10.1016/S0045-6535(98)00466-4
https://doi.org/10.1016/S0045-6535(98)00466-4
https://doi.org/10.1007/s10653-015-9695-y
https://doi.org/10.1016/j.geoderma.2006.08.024
https://doi.org/10.1016/j.geoderma.2006.08.024
https://doi.org/10.1016/S1383-5718(98)00145-4
https://doi.org/10.1016/S1383-5718(98)00145-4


Koch K (2004) Sucrose metabolism: regulatory mechanisms and pivotal roles in sugar sensing and

plant development. Curr Opin Plant Biol 7(3):235–246. https://doi.org/10.1016/j.pbi.2004.03.

014
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1 Introduction

1.1 Lead Composition, Classification, and Use

Elemental lead has an atomic mass of 207.2 g and density 11.34 g/cm3. It is

classified as a heavy metal by virtue of its high molecular weight and density

�5.0 g/cm3 (Tchounwou et al. 2012). As with other heavy metals, lead is consid-

ered to be a trace element and in the United States under natural conditions its mean

environmental concentration in soil is 16 ppm (Shacklette and Boerngen 1984).

Pure lead does not naturally exist in the environment, but rather it is found as a

component of mineral ores. The most abundant of these ores is galena, which

contain other elements that predominantly include silver (Dube 2006).

The first human documented use of lead dates back to the Roman Empire, after

which lead use was minimal until societies became more industrialized (Milton

1988; Nriagu 1983). Lead use then dramatically increased such that, in 2015, more

than 385,000 metric tons of lead were mined in the United States with an additional

1.12 million tons produced through recycling of postconsumer scrap (USGS 2016).

These data verify that vast amounts of lead continue to be refined and used by

consumers in the United States, and are then extended by even higher production in

other countries such as China (USGS 2016). Based on the millions of tons of lead

mined in the past and present years, it is not surprising that lead is viewed as a

persistent global environmental threat. Further, while some environmental toxi-

cants degrade over time, lead as a heavy metal element is relatively inert in its

natural form.

1.2 Distribution and Biomarkers of Lead Toxicity

Systemic distribution of lead following exposure via inhalation or consumption

occurs primarily through the circulatory system. Based largely on mammalian

studies, it has been estimated that 30% of consumed lead and 50% of inhaled

lead are absorbed into circulation (Agrawal 2012). Once in circulation, ~5% of total

lead remains in blood while up to 95% distributes to other tissues, and is then slowly

excreted from all these compartments through urine or feces (Agrawal 2012). Lead

deposition in bone is highly persistent, occurs via the formation of a lead–phosphate

complex, and can account for up to 95% of the total body burden from sub-chronic

to chronic exposures (Agrawal 2012). The half-life of lead in the blood of mammals

has been estimated as ~30 days while lead deposited in bone has a half-life of

20–30 years, with risk of lead reentering circulation and causing toxicities long

after the initial exposure (Rabinowitz 1991). While limited research exists on the

half-life of lead in the blood of avian species, Fry and Maurer determined that the

half-life of lead in blood of California condors was approximately 13 days.
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Both blood and urine samples are commonly collected to determine the level of

exposure to diverse toxicants as well as to help determine the severity of the

systemic health effects to these toxic contaminants (Strimbu and Tavel 2010).

The enzyme, delta aminolevulinic-acid dehydratase (δ-ALAD), is extremely sen-

sitive to lead exposure, and decreased activity of this enzyme in blood cells is the

classic biomarker of lead exposure (Berlin and Schaller 1974). δ-ALAD is the

second of eight enzymes involved in heme synthesis; therefore, inhibition of this

enzyme by lead significantly hinders an organism’s ability to produce heme

(Fig. 1). Another biomarker associated with lead toxicity is urine aminolevulinic

acid (ALA). ALA is a substrate of δ-ALAD, so inhibition of the enzyme yields an

increase in blood ALA concentrations. The increased ALA is filtered by the kidneys

and is secreted into the urine. Both of these biomarkers are routinely used for

assessing lead toxicity in human, domestic, and wildlife species as well as tracking

responses to interventional treatment.

1.3 Cellular Mechanism of Lead Toxicity

All animal species depend on sodium, calcium, potassium, iron, and zinc for proper

cellular function and survival. Lead, as a divalent cation, competes for ionic binding

sites in proteins and thereby prevents essential divalent cations such as zinc and

calcium from binding (Godwin 2001). This mechanism of competition and ion

displacement by lead has been coined “ionic mimicry” (Kirberger and Yang 2008).

Aminolevulinic
acid

synthase

Uropor-
phyrinogen III

synthase

Copropor-
phyrinogen

Oxidase

Hydroxy-
methylbilane

synthase

Uroporphyrinogen
decarboxylase

Protoporphyrinogen
oxidase Ferrochelatase

d-aminolevulinic
acid

dehydratase

δ-aminolevulinic
acidSuccinyl CoA

Heme

Hydroxymethylbilane

Copropor-
phyrinogen III

Uroporphyrinogen III

Protoporphyrinogen IX

Protoporphyrin IX

Porphobilinogen

Fig. 1 Inhibition of heme synthesis by lead. The red X indicates the inhibition of heme synthesis

through lead binding and suppressing δ-aminolevulinic acid dehydratase

Environmental Lead and Wild Birds: A Review 159



The biomarker protein for lead exposure, δ-ALAD, requires a single zinc ion for

proper enzyme structure and function (Godwin 2001). The binding site for zinc in

δ-ALAD contains three cysteine residues, to which lead binds with moderate

affinity, slightly modifying the protein structure and inhibiting ALA from binding

the active site (Godwin 2001).

Another class of high affinity receptors for lead is the calcium-dependent pro-

teins such as calmodulin (Kirberger and Yang 2008). Calmodulin is a cytoplasmic

protein expressed in nearly all cells of the body, which initiates a signal cascade for

protein transcription following calcium binding at its four active sites (Wiemann

et al. 1999; Wayman et al. 2011). Lead competes with calcium for calmodulin’s
four binding sites but also can bind at various points along the structure of the

protein in an action known as “opportunistic binding” (Kirberger et al. 2013). The

binding of lead to calmodulin initiates improper folding of the protein, resulting in

inhibition of many cellular functions including prevention of signal transduction to

the nucleus (Kirberger et al. 2013). Depending on a cell’s level of dependence on

calcium, the degree of lead’s toxicity can thereby vary. This in part explains why

some organ systems (i.e., nervous system) are more sensitive to lead exposure than

other systems.

2 Lead Sources and Avian Species

2.1 Lead Ammunition and Avian Species

Avian wildlife encounter lead as a direct result of human sport shooting and hunting

related activities. In particular, foraging avian species often consume particulate

lead in the form of spent shotgun pellets or bullet fragments, confusing them for grit

or food (Mateo et al. 2007; McConnell 1967; Schulz et al. 2002). It has been

estimated during the twentieth century alone that approximately 3 million metric

tons of lead were deposited in the form of spent ammunition in the United States

(Craig et al. 1999). According to a 1999 estimate, approximately 60,000 additional

tons of lead are deposited in high concentrations each year in the top few inches of

soil at private and military shooting ranges as well as recreational hunting sites

throughout the United States and other countries (Craig et al. 1999). According to

Pain (1991) lead pellet distribution in Camargue, France (Rhone Delta) was as high

as 2 million pellets/ha and over a 2-year period studying settlement of the pellets,

concluding that the half-life of the pellets in the top 6 cm of soil was 46 years.

Therefore, not only are certain avian species at risk of exposure to this unique form

of lead, but they are also in a unique situation of elevated risk for multiple lead

pellet or fragment exposures in these select sites.
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2.2 Lead Exposures from Sources Other than Lead
Ammunition

Although lead ammunition is a predominant source of lead pollution in the envi-

ronment, wildlife species are also exposed to lead from other sources. Cai and

Calisi (2016) examined 825 blood-lead level records from visibly ill feral pigeons

in different neighborhoods of New York City collected during 2011–2015, a city

where lead ammunition would likely be a minimal source of environmental lead.

Their data showed that the area of the city where each pigeon was found did not

influence the blood-lead levels; however, the blood-lead levels in the pigeons were

higher in summer months compared to any other time of the year (Cai and Calisi

2016). The most interesting finding was that increased blood-lead levels in pigeons

during summer months positively correlated with the blood-lead levels >10 μg/dL
of children, suggesting that continued monitoring of feral pigeons in New York City

for lead could help determine the risk for further human and wildlife exposure as

well as guide efforts to decrease it (Cai and Calisi 2016).

Common sources of lead contamination for avian species are lead tackle and

fishing weights. Sidor et al. (2003) analyzed 522 common loons (Gavia immer)
found dead in New England from 1987 to 2000. The authors determined that 50% of

the adult loons had died from lead toxicity induced by consumption of lead fishing

tackle (Sidor et al. 2003). A similar case study examined three loons found dead in

the Northeastern United States. Two of the three birds had fishing line sections with

lead weights still attached in their ventriculus, while the third loon had a fishing line

with no weights (Locke et al. 1982). All three loons had significantly increased lead

concentrations in the liver and death was attributed to lead toxicosis (Locke et al.

1982). A similar study in Canada investigated the death of six loons found on the

shore of a lake (Daoust et al. 1998). The authors reported lead fragments from

sinkers in the ventriculus of 4 of the 6 loons and all six had significantly increased

lead concentrations in the kidneys that were comparable to known lead poisoning

concentrations (Daoust et al. 1998). Other wild aquatic avian species have been

found with lead fishing tackle in their ventriculus including brown pelicans

(Pelecanus occidentalis), Trumpeter swan (Cygnus buccinator), and a number of

duck species (Locke et al. 1982; USEPA 1994; Franson et al. 2003).

Another source that contributes to heavy metal environmental pollution includ-

ing lead is mining operations. In 2013 Beyer et al. examined the songbird

populations in Missouri near a lead mining operation. It was already documented

that the lead mining had yielded highly increased lead concentrations in the soil

surrounding the facility. The rationale for the study was that bird populations

consume earthworms living in the contaminated soil. The researchers showed that

the songbirds in this region had lead levels increased by a factor of 8, 13, and

23 in the blood, liver, and kidney, respectively, as compared with songbirds in

uncontaminated regions of Missouri (Beyer et al. 2013). Further, the δ-ALAD
activity in these birds was decreased by approximately 50–80% (Beyer et al.

2013). Based on these results, the authors concluded that the health of bird
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populations living in areas near the mines was at high exposure risk to the lead and

other heavy metals being extracted. As with mining operations, industrial smelting

releases numerous metals into the environment through emissions. In Finland, liver

accumulation of heavy metals including lead in passerine birds was reduced by

58–95% following reduction of atmospheric emissions from the country’s largest
nonferrous smelter (Berglund et al. 2012). Mallards given a commercial pellet diet

containing 24% sediment from the contaminated Coeur d’Alene River Basin in Idaho
(3,400 μg lead/g of sediment) had increased breast muscle atrophy, viscous bile, and

increase in nuclear inclusion bodies in renal tubular cells (Heinz et al. 1999).

Another study attempted to link bird exposure to lead by way of natural lead

concentrations in the environment rather than anthropogenic sources. The authors

used the Alaskan tundra swan as the model for their experiment based on their

migratory patterns in relation to lead contaminated sites (Ely and Franson 2014).

Previously, it had been shown that, because of their winter migration patterns,

Alaskan tundra swans are exposed to lead in the warmer climates where lead is

prevalent due to human use (Ely and Franson 2014). However, during the summer

months these swan populations migrate to northern areas of Alaska where there is

very limited human influence. The researchers showed that during the summer

months, the swan populations had on average <0.2 mg/mL blood-lead levels

compared to winter months where birds had lead levels ranging from 0.2 to

0.5 mg/mL (Ely and Franson 2014). These results strongly suggest that the lead

levels seen in avian tundra swan populations are less likely to be attributed to

natural occurrences in their environment. Whooper swans wintering in Great

Britain with blood-lead levels �4,400 mg/mL had significantly decreased winter

body conditions, showing that sublethal levels of lead had a very detrimental impact

on the health of the swans during winter months (Newth et al. 2016). These data

coupled with the data from the swans in Alaska suggest that migratory birds

exposed to anthropogenic lead during summer and winter months could experience

adverse health consequences, even at sublethal doses of lead.

2.3 Lead and Terrestrial Avian Species

Much of the earlier studies addressing potential lead toxicity in birds were focused

on aquatic species; however, terrestrial species are also at risk. Kerr et al. (2010)

reported that northern bobwhite quail orally gavaged with five lead pellets (~45 mg/

pellet) survived the acute exposure resulted in blood-lead levels that would be lethal

to most mammalian species. Reasons for which avian species are more tolerant to

higher lead are not currently known, however, may be linked to rapid ability to

replenish their RBC and the fact that avian RBCs are nucleated. Kerr et al. (2010)

suggested that, while these adult birds appear capable of surviving acute and

possible chronic very high levels of lead, the long-term impact of such environ-

mental lead exposure on avian reproduction and development remains unclear.
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More recently, Holladay et al. (2012) orally gavaged Roller pigeons with 1, 2, or

3 lead pellets (45 mg/pellet). The Roller pigeons showed a higher tolerance to lead

as compared to the Northern Bobwhite quail (Kerr et al. 2010), with no outward

clinical signs at blood-lead levels up to 80 times higher than the control pigeons.

The Roller pigeon has a higher tolerance to lead at these concentrations likely in

part, due to its larger body mass compared to the bobwhite quail. Another note-

worthy finding from this study was that lead pellet retention within the digestive

tract varied between the two species. In the pigeons, mean pellet retention in the gut

extended 4 weeks into the study whereas in the quail pellet mean retention time was

less than 2 weeks (Holladay et al. 2012). A prolonged retention time of lead pellets

by some species would presumably result in greater deposition of mobilized lead

into the tissues of the birds and therefore pose a different risk of toxicity. Although

not yet considered, prolonged retention time of lead pellets in some avian species

might also result in increased risk of lead toxicity in predator or scavenger species

of those birds. Another factor that could influence the variation in lead toxicity

observed among avian species is the rate of uptake of lead through the ventriculous

and distal digestive track. Kerr et al. (2010) working with quail and Holladay et al.

(2012) with Roller pigeons recorded different retention times of the lead pellets

between the two species, but did not assess whether the pellets were broken down,

absorbed, or excreted. The observed increased mortality of the quail at the same

dose of lead compared to the pigeon could be explained by the quail having a higher

uptake of lead and therefore would have a higher acute toxicity.

A study by Mateo et al. (2001) in Spain found that approximately 11% (12/109

eagles) of the Spanish imperial eagle population, listed as an endangered species,

had lead pellets in their digestive tract. The study also reported that the lead

concentration in these eagles and the number of eagles containing lead increased

during waterfowl hunting season (Mateo et al. 2001). These data suggest that

waterfowl exposed to lead via oral consumption or nonlethal birdshot injury can

be consumed by the eagles and thus act as a vector for lead exposure up the trophic

levels. These data are not unique to the Spanish imperial eagle. A study by Cruz-

Martinez et al. (2012) showed increased lead levels in the bald eagle in the United

States from secondary exposure. These authors analyzed more than 1,200 eagles in

Minnesota, and found that greater than 25% of the birds had elevated lead levels

that were temporally associated with consuming of deer killed by hunters (Cruz-

Martinez et al. 2012). Just as with the eagles of Spain, maximally increased lead

levels were seen during hunting season and linked to lead ammunition. In addition,

these researchers reported that the eagles had elevated copper concentrations (Cruz-

Martinez et al. 2012). Lead ammunition is generally coated with a solid copper

jacket; therefore the co-presence of lead and copper further supported indirect lead

exposure through consumption of deer killed by hunters. Another case of lead

exposure through scavenging was reported in the Iberian Peninsula where three

lethargic Griffon vultures (Gyps fulvus) were found in the wild and died within 24 h
of being transported to a clinic (Dvm et al. 2016). All three vultures were shown to

have blood-lead levels ranging from 969 to 1,384 μg/dL, liver-lead levels ranging

from 309 to 1,077 μg/dL dry weight, and one vulture was necropsied and had nine

lead pellets in its stomach (Dvm et al. 2016).
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The most publicized and likely most recognized case of secondary exposure of

avian species to lead involves the California condor (Gymnogyps californianus).
This high trophic predator has been on the endangered list since the 1980s when

populations dwindled to 22 birds, but through intensive human management

rebounded to approximately 400 birds by 2010 (Snyder and Snyder 2000; Walters

et al. 2010). A recent survey by the United States Fish and Wildlife Service

(USFWS) in 2015 reported the overall population to be at 435 (265 in the wild

and 167 captive). A survey study of the California condors between 1997 and 2010

showed that approximately 50–88% of free flying condors had blood-lead levels

exceeding the 100 ng/mL maximum safe level set in place by conservationists

(Finkelstein et al. 2012). Approximately 20% of these same birds had blood-lead

levels �450 ng/mL, which is the threshold set by the Center of Disease Control and

Prevention for requiring immediate therapy in children (Finkelstein et al. 2012). In

an attempt to alleviate the burden of lead exposure on the California condor and

other wildlife, the California state government passed a law in 2013 banning the

purchase and use of lead ammunition for hunting by 2019 (California Department

of Fish and Wildlife 2017). A recent study examining the risk of lead exposure in

condors reintroduced in California monitored blood-lead levels of these birds from

1997 to 2011 (Kelly et al. 2014). Even with the regulations on lead ammunition

during waterfowl hunting season prior to the complete ban in 2013 the authors

showed that the blood-lead levels of the reintroduced birds were significantly

higher than those of birds still in captivity and the blood-lead levels increased

with the age of the condor (Kelly et al. 2014). While this action prevents new lead

from being deposited into soil in the form of spent ammunition, it does not impact

previous deposited lead. The long-term outcome of this ban and the effect it will

have on California condor won’t be known for many years, again, due to the

longevity of preexisting lead in the environment.

2.4 Lead and Aquatic Avian Species

Aquatic avian species such as waterfowl are susceptible to ingestion of spent lead

ammunition much like other foraging avian species. One such case of lead exposure

in aquatic birds occurred within a wildlife management area (WMA) in Kansas in

1979. Workers at the WMA found a total of 79 deceased Canadian geese plus

10 additional geese that were too lethargic to fly (Howard and Penumarthy 1979).

Seventeen of the deceased geese were necropsied and were found to have an

average of 13 lead pellets deposited in the crop and ventriculus, high lead concen-

trations in the kidney and liver, and other clinical signs of lead toxicity (Howard and

Penumarthy 1979). In 2011–2012 in Argentina, 415 ducks (hunter killed and live

captured) were analyzed for lead exposure (Ferrayra et al. 2014). While only 10%

of the ducks had lead pellets in the digestive tracts, all 415 ducks had detectable

bone-lead levels (Ferrayra et al. 2014). Although the bone-lead levels were not
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representative of lead toxicity, the presence of lead in the bone indicates that all

birds were exposed to environmental lead.

Chronic lead exposure in waterfowl throughout much of the twentieth century

coupled with increased lead deposition in bodies of water during waterfowl hunting

season led to a nationwide ban on lead ammunition for waterfowl in 1991. This was

done to help prevent further environmental contamination and loss of waterfowl

populations from lead toxicity; however, exposure still occurs through ingestion of

spent lead ammunition legally used in recreational shooting sites and for hunting of

other wildlife. Romano et al. (2016) examined wetland areas and rice field for lead

pellet contamination and found a varying degrees of pollution with areas having

anywhere from 5.5 to 141 pellets/square meter. It was determined that in the areas

with higher lead contamination, the water was slightly acidic indicating oxidation

of lead and readily mobilization of lead into the waterways (Romano et al. 2016).

California was one of the first states to implement replacing of lead pellets with

steel pellets. Nonetheless, a study conducted 1 year after the removal of lead shot in

California found that approximately 20% of the mallards captured at two separate

wildlife refuges had elevated blood-lead levels (Mauser et al. 1990). Ten of the

captured mallards died from what appeared to be lead toxicity and were found to

have as few as one lead pellet in the ventriculus; while one bird had 52 lead pellets

in its ventriculus at the time of death (Mauser et al. 1990). One study conducted in

2011–2012 in Spain on the Ebro Delta showed that even though lead shot had been

banned since 2003 (thus 8–9 years earlier), approximately 16% of the mallard duck

population had ingested lead in the form of spent shot (Vallverdu-Coll et al. 2015a).

These findings are comparable to an Argentinian study where, of the 415 Mallard

ducks sampled in 2012, 10.4% had ingested lead in the form of spent ammunition at

the time of analysis (Ferrayra et al. 2014). Lead was detected in 100% of the bones

analyzed from these same mallards, and in 60% of the livers (Ferrayra et al. 2014).

A study in Poland that evaluated both mallards and coots collected by hunters

during 2006–2008 provided evidence of lead toxicity in both species (Binkowski

et al. 2013). Histological analysis showed inflammatory and leukocytic infiltrative

lesions consistent with lead toxicity in the birds, with the liver and kidney most

affected (Binkowski et al. 2013). These data again show that lead exposure in

aquatic birds across diverse locations remains a critical problem. As might be

expected, additional studies are showing that lead toxicity is not a problem limited

to waterfowl, but also can affect other aquatic avian species, such as marsh and

coastal birds. For example, the black-necked stilt is a bird primarily found in the

marshes of Texas. A recent study conducted in the Upper Texas Coast found that

almost 80% of the test population had blood-lead levels exceeding 20 μg/dL
(Riecke et al. 2015). Although these blood-lead levels were low compared to

other studies, they could still potentially have long-term adverse outcomes on

bird population health (Riecke et al. 2015).

Although growing focus is being given to health effects of lead in avian wildlife

species, the co-presence of other environmental contaminants must be considered

to truly estimate risk to different bird population health. Two recent studies reported

increased levels of mercury, lead, arsenic, cadmium, chromium, and other metals in
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two geographically different locations in the United States (Burger et al. 2014;

St Clair et al. 2015). The avian species analyzed in these experiments were the

Semipalmated sandpipers in Delaware Bay and the Pacific Dunlin on the west coast

(Burger et al. 2014; St Clair et al. 2015). These studies show that not just environ-

mental lead contamination, but heavy metal contamination in general remains a

nationwide issue.

3 Avian Lead Toxicities

3.1 Organ System Toxicity

Lead is a toxicant that has the ability to affect multiple organs and organ systems in

numerous species, including avian species. The classic toxicity seen in all animal

models is the depression of delta-aminolevulinic acid dehydratase (δ-ALAD). This
hematologic toxicity has been documented for decades and is so specific to lead that

it is routinely used as a biomarker to verify lead exposure (Pain 1989; Binkowski

and Sawick-Kapusta 2015). Martinez-Haro et al. (2011) showed that mallards and

coots with blood-lead levels as little as 6 μg/dL had decreased δ-ALAD activity.

Lead in the bloodstream has two fates, excretion or deposition into tissue.

The liver is the largest soft tissue store of lead in the body and is therefore

commonly analyzed in avian lead toxicity cases and studies (Aloupi et al. 2017;

Behmke et al. 2017). Mateo et al. (2003) reported that mallards exposed to dietary

lead, 2 g/kg, for a period of 3 weeks had increased lipid peroxidation in the blood,

liver, and bile. There was also a negative correlation with lipid peroxidation and

glutathione peroxidase activity in the liver (Mateo et al. 2003). A similar study

using Japanese quail showed that a single exposure to lead shot via oral gavage

resulted in significantly reduced glutathione activity coupled with increased lipid

peroxidation (Osickova et al. 2014). These results have been shown in diverse avian

species studied including vultures, pied flycatcher (Ficedula hypoleuca), Canada
geese (Branta canadenisis), and many more (Mateo and Hoffman 2001; Berglund

et al. 2007; Behmke et al. 2017).

The renal system is another target of lead toxicity. Numerous laboratory studies

have used acid-fast staining to show inclusion bodies in the nuclei of renal cells

after relatively high levels of lead exposure (Locke et al. 1966; Kelly et al. 1998). It

has also been shown that subchronic to chronic exposures to lead at lower doses can

also result in these inclusion bodies. For instance, a team of researchers in the

United Kingdom investigated an urban population of pigeons (Columba livia) and
found that the majority of birds necropsied had significantly increased nuclear

inclusion bodies, all of which contained lead (Johnson et al. 1982). Further, it

was determined that the lead within the kidneys was trialkyl lead, most commonly

formed from the exhaust of vehicles using fuel with lead additives (Johnson et al.

1982). Another group of researchers verified that kidneys from mallards exposed to

lead via contaminated sediment not only contained these classic inclusion bodies,
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but also had decreased glutathione activity and increased oxidative stress in renal

cells (Hoffman et al. 2006). Kidney toxicosis from lead was seen in red-crowned

cranes (Grus japonensis) in northern China indicating lead exposure is a serious

threat to the endangered species (Luo et al. 2016).

Lead exposure, under select conditions, has also been found to alter immune

function of avian species and can increase susceptibility to infection. Birds do not

have lymph nodes like mammals and therefore the spleen is more critical to the

integrity of the immune system. Ferreyra et al. (2015) reported that wild mallards

from wetlands in Argentina with known high lead contamination had significantly

lower spleen/bodyweight ratios compared to mallards from other areas. These same

birds showed a negative correlation between bone-lead concentrations and spleen

size. Another study monitored a wild population of great tit (Parus major) nestlings
in a known metal contaminated site, for four innate immune markers: agglutination,

lysis, haptoglobin concentrations, and nitric oxide concentrations (Vermeulen et al.

2015). These researchers showed that among birds displaying the greatest signs of

lead toxicity, the innate immune functional marker most altered was the capacity

to induce cell lysis. A similar study evaluated the transfer of maternal lead to eggs

and offspring, including characterizing lead-induced alterations to the developing

immune system (Vallverdu-Coll et al. 2015b). These researchers collected wild

mallard eggs from known lead contaminated areas and measured eggshell lead

concentrations and duckling blood-lead levels to determine exposure. They then

showed a negative correlation with blood-lead levels and the T cell mediated

immune response measured with the PHA skin test. After hatching, the F1 ducklings

also had decreased antioxidant activity and increased reactive oxygen species with

increased blood-lead levels (Vallverdu-Coll et al. 2015b). Dietary lead exposure in

adult chickens revealed that after 30- and 60-day exposure, peripheral blood

lymphocytes had an increase in mRNA expression of the pro-inflammatory cyto-

kines tumor necrosis factor-α (TNF-a), cyclooxygenase-2 (COX-2), and inducible

nitric oxide synthase (iNOS) (Sun et al. 2016). This would suggest that the

circulating lymphocytes were being activated by lead in the blood. The implications

from this research may be particularly critical for future lead research in avian

species, because it would imply that maternal transfer of lead to offspring in the

wild may adversely impact the developing immune system of the avian offspring.

This in turn may suggest, in areas where lead contamination is prevalent, that entire

populations could be at elevated risk for disease susceptibility. Another team of

researchers examined the role of dietary lead exposure and gene expression of HSP

(27, 40, 60, 70, and 90) and inflammatory factors iNOS, tumor necrosis factor-α
TNF-α, and COX-2 in the cartilage of chickens (Zheng et al. 2016). The gene

expression of all the HSP and inflammatory factors were increased through lead

exposure, suggesting lead was causing an inflammatory response in the cartilage

and providing evidence that HSP could be used as a biomarker of lead-induced

damage (Zheng et al. 2016).

As with mammalian species, avian species are susceptible to neurotoxic effects

induced by lead. Burger and Gochfeld (1994) injected 1–2-day-old herring gulls

intraperitoneally with 100 mg/kg lead acetate and observed behavior, activity,
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feeding habits, and general health. Approximately 65% of the lead injected birds

survived to day 14 compared to 96% of the control birds; of the surviving lead

injected birds, significant neurologic deficits were observed through increased

stumbling when walking, decreased begging for food, and decreased accuracy

when pecking the parent bird’s bills for feeding (Burger and Gochfeld 1994).

Douglas-Stroebel et al. (2004) reported that mallard ducklings given feed

containing 24% sediment from the Coeur d’Alene River Basin, a known contam-

inated river basin with lead levels reaching 3,449 μg/g, had brain-lead levels

485 ppb. These ducklings were also reported to have lower brain weights and

increased oxidized glutathione as compared to the control ducklings (Douglas-

Stroebel et al. 2004). The ducklings in the 24% river basin sediment treatment

group also had behavioral changes including decreased time swimming and issues

with balance and mobility (Douglas-Stroebel et al. 2005). American kestrel (Falco
sparverius) nestlings exposed to 25, 125, and 625 mg/kg metallic lead in corn oil

had decreased brain RNA to protein ratios and brain δ-ALAD, while brain mono-

amine oxidase and ATPase were not significantly different (Hoffman et al. 1985).

These biochemical changes were more severe in the nestlings compared to adults or

young precocial birds exposed to lead (Hoffman et al. 1985).

3.2 Reproductive Toxicity

Another area of research that has gained increased attention in the past few decades

is lead-induced reproductive toxicity in avian species. It has previously been shown

that hens from multiple species, exposed to lead in the environment or laboratory

settings, deposit lead into the eggshells and egg contents during lay periods (Finley

et al. 1976; Burger 1994; Trampell et al. 2003; Burger and Gochfeld 2004; Tsipoura

et al. 2011). Vallverdu-Coll et al. (2015b) showed that developmental exposure to

lead in red-legged partridges caused sex-specific and seasonal changes. In partic-

ular, the male birds showed increased coloration during spring months, while

females showed increased humoral antioxidant activity. The researchers concluded

that the males most likely increased coloration to increase chances of breeding

while the females increased antioxidant levels to defend against reactive oxygen

species commonly produced by lead.

Veit et al. (1983) orally gavaged ringed turtledoves with four lead pellets

(110 mg/pellet) and examined testicular changes. The birds treated with lead had

significantly lower testes weight and, histologically, displayed significant degener-

ation suggesting suppressed reproductive capabilities (Veit et al. 1983). Another

study examining lead toxicity showed that male red-legged partridges exposed to

lead shot had altered sperm quality and decreased motility (Vallverdú-Coll et al.

2016). An increase in heat shock proteins (HSP) has been correlated with lead-

induced cell damage in avian testis. Huang et al. (2017) showed that selenium

administered with lead in the water of Hyline chickens prevented testicular damage

and decreased mRNA expression of HSP70. The researchers concluded that HSP70
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could be a biomarker of testicular damage for lead in the avian model (Huang

et al. 2017).

Vallverdu-Coll et al. (2015a) reported that mallard hatchlings from the Ebro

Delta of Spain with blood-lead concentrations greater than 180 ng/mL died within

1 week post hatch. These hatchlings were collected as eggs and were not exposed

to lead in the laboratory setting; therefore these blood-lead levels were a result

of maternal deposition. Another study conducted by the same group evaluated

red-legged partridge (Alectoris rufa) hens gavaged with three #6 Pb pellets

(~109 mg/pellet), and showed a decrease in hatchability of eggs laid (Vallverdú-

Coll et al. 2016).

Ruiz et al. (2016) examined dietary lead exposure on great tit nestlings and the

role of vitamins A, D3, K, and E, which are essential for growth and development.

The researchers concluded that the nestlings retained higher concentrations of

plasma vitamin A in an attempt to counter the stress induced by lead during growth

and development (Ruiz et al. 2016). Sediment contaminated with lead is another

dietary exposure in avian species (Beyer et al. 2000; Hoffman et al. 2000a).

Hoffman et al. (2000a) fed day old mallard ducklings feed mixed with 0, 12, and

24% sediment diet (3,449 μg lead/g sediment) from the Coeur d’Alene River basin.
At 6 weeks of age, the ducklings in the 24% diet had liver and kidney lead

concentrations of 7.92 and 7.97 ppm, respectively, and a 40% reduction of hepatic

glutathione and nuclear inclusion bodies in renal cells (Hoffman et al. 2000a).

These results were duplicated in Canada geese receiving an identical diet with an

additional group receiving a 48% diet (Hoffman et al. 2000b). The geese receiving

the 48% diet had liver and kidney lead concentrations of 6.57 and 14.93 ppm,

respectively, with one gosling suffering from subacute renal tubular nephrosis

(Hoffman et al. 2000b). The collective available results therefore suggest that

both hens and cocks of avian species are susceptible to gender-specific reproductive

toxicities after exposure to lead. Further, maternal lead can be deposited in the eggs,

with resulting effects on the development and survival of the hatchlings.

One thing to note is that hatchlings of altricial species such as passerines and

raptors are more sensitive to lead exposure than hatchlings of precocial species

since they are less physiologically advanced at hatching and thus totally dependent

on parents for feeding similar to mammalian neonates. Thus, this may constitute

one of the most sensitive periods of the avian life cycle with respect to lead and

other environmental contaminants (Hoffman et al. 2003).

4 Diagnostic and Therapeutic Protocols for Birds

with Elevated Blood-Lead Levels

The least invasive technique for diagnosing lead exposure in avian species is

radiographic imaging. Radiographs can be performed in at risk avian species such

as the condor to determine if radio-dense lead is present in the crop or stomach
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(Redig and Arent 2008). In clinical avian cases where orally consumed particulate

lead is detected, it can be physically removed from the crop and/or stomach, and if

lead is located more distally in the digestive tract then treatment to induce excretion

is employed (Redig and Arent 2008). The caveat with radiographs is that if the

pellet has already been metabolized or excreted, then it will not be visible and

diagnosis of lead toxicity can only be determined through blood analysis.

The current and most effective treatment for elevated blood-lead levels is

chelation therapy. Chelation therapy is used in human medicine to treat a number

of issues including metal toxicities such as lead, arsenic, and mercury. Selection of

an effective chelator requires that the chemical meet certain criteria. These include

the chemical’s ability to cross biologic barriers to reach metals, effective binding to

metals and formation of stable compounds, and upon binding, rendering the metal

nontoxic and increasing the excretion from the body (Jones 1994). The common

chemicals used for chelation therapy include calcium disodium ethylenedi-

aminetetraacetic acid (calcium EDTA), dimercaptosuccinic acid (DMSA), and

dimercaprol (Garcia and Snodgrass 2012). These chemicals are injected directly

into the blood stream of exposed individuals and bind lead to prevent further

deposition into tissues and bone, and facilitate metal excretion (Garcia and

Snodgrass 2012). Treatment generally involves a combination of the chemicals

with dimercaprol being administered first and calcium EDTA following (Garcia and

Snodgrass 2012). Chelation therapy is a multiple step process given over a number of

days to ensure that blood-lead levels decrease to normal; follow up is also required

because chelation therapy does not remove deposited lead from the body. Thus,

deposited lead from tissue or bone can reenter the blood stream and cause further

toxicities necessitating additional treatment (Garcia and Snodgrass 2012).

Chelation therapy has been used to treat birds with high blood-lead levels.

Monitored free flying California condors and other endangered avian species with

blood-lead levels of 450 ng/mL have been treated using chelation therapy

(Finkelstein et al. 2012). The blood-lead level threshold of 450 ng/mL in birds is

equivalent to blood-lead level of 45 μg/dL in humans, the value set as an action

level for treatment in children (CDC 2012). The fact that condors have reached

blood-lead levels that require chelation therapy shows how dire the situation is for

these highly endangered species. The most common chelator used in avian species

has been EDTA. Use of EDTA in humans and other mammals has been shown to be

toxic in some cases where increased concentrations of EDTA caused nephrosis and

central nervous system toxicity; however, none of these toxicities have been

recorded in avian species, including when using higher concentrations of EDTA

over prolonged periods of time (Redig and Arent 2008; Samour and Naldo 2002).

Diagnosing lead poisoning in wild birds can be challenging, with delivery of test

results for blood-lead levels usually requiring a number of days to be returned. One

case in Minnesota involved a wild Golden eagle, which lacked the ability to fly or

properly perch (Shimmel and Snell 1999). Initially the clinicians diagnosed the

eagle as having been exposed to a cholinesterase inhibitor insecticide due to its

behavior and leg paralysis and immediately initiated treatment; it wasn’t until after
4 days posttreatment during which the bird showed no clinical improvement, that
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the clinicians began intramuscular EDTA treatment for lead poisoning (Shimmel

and Snell 1999). Within 24 h post-EDTA treatment, the eagle started to regain toe

movement; however, it wasn’t until after 6 weeks of intramuscular and oral EDTA

treatment that blood-lead levels returned to reference intervals (Shimmel and Snell

1999). The original misdiagnosis was due to lead not being visible in radiographs,

which is a common hurdle clinicians face.

Another case in New Zealand involved an Australian harrier found on the side of

the road and delivered to an avian rescue center, with the belief that the bird had

been hit by a car (Nijman 2016). Just as with the case of the above-described

Golden eagle, no lead was apparent in the radiographs; however, the harrier was

lethargic and blood-lead levels were 0.65 mg/L, representing the upper limit of the

Leadcare Analyzer used by the attending veterinarian (Nijman 2016). Following

immediate intramuscular administration of CaEDTA and days of oral chelation

therapy, blood-lead levels returned to reference levels and the harrier regained

energy and mobility (Nijman 2016). The challenge in both cases was that the lead

was systemic and therefore not visualized as particles in the radiographs. The

extended treatment using EDTA demonstrates the difficulty in removing seques-

tered lead from birds as well as the amount of human effort and time required to

treat a bird suffering from lead toxicity. Although the cost for treating these birds

was not provided, the treatment duration would suggest it to be considerable.

Further, these cases show that even with a thorough medical workup, it is difficult

to determine when and how often an individual bird may have been exposed to lead.

A bird’s nutritional status is also an important factor that can contribute to lead

reentering the blood via the tissues. Mobilization of lead and other elements from

bone can occur when nutrient demand is high and dietary intake is inadequate. This

may have been a contributing factor in the above case involving the clinically ill

Golden eagle whose blood-lead levels never dropped below 0.08 ppm following

4 weeks of EDTA treatment. The eagle had a recorded dietary intake deficiency

accompanying the infection (Shimmel and Snell 1999). Thus, this form of semi-

chronic or chronic lead exposure, as a result of lead mobilization from the tissues,

could be an important additional health hazard to avian species such as the

endangered condors. Heinz et al. (1999) demonstrated in adult mallards that a

total corn diet, which is a nutritionally inferior diet (Jordan 1968), increased the

uptake or storage of lead from contaminated mining sediment in the liver. Lead

contaminated sediment ingestion in mallard ducklings generally affected more

variables in combination with a less optimal diet with respect to hematological,

hepatic, and renal effects (Hoffman et al. 2000a). Also, Schueuhammer (1997)

reported that the level of calcium (0.3% vs. 3.0%) in the diet had a significant effect

on lead accumulation in liver and kidney of birds, with greater lead accumulation in

the tissues of birds with low dietary calcium. Lead toxicity associated with ingested

lead shot has also been shown to be greater in birds on a diet consisting primarily of

corn, possibly due to corn’s low total protein content and deficiencies in certain

amino acids, calcium, phosphorus, and zinc, as well as an increased abrasion of lead

pellets in the gizzard when corn is present (Jordan 1968; Finley et al. 1976; Carlson

and Nielsen 1985).
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5 Environmental Removal and Remediation

As previously stated, a major source of environmental lead is particulate from spent

ammunition concentrated at outdoor shooting ranges, managed hunting areas, and

military bases. This particulate lead is found in the top 1–3 in. of soil leaving

foraging avian species and other animals at extremely high potential risk for

consumption (Pain 1991). In an effort to prevent spent ammunition from contam-

inating the environment and poisoning local wildlife, the Environmental Protection

Agency (EPA) published a guideline in 2005 titled Best Management Practices for
Lead at Outdoor Shooting Ranges, which explains a series of management pro-

tocols for more sustainable and safe management of spent lead.

The first management technique recommended by the EPA was to create a

containment area for the spent ammunition using “earthen backstops” or other

traps to isolate the lead in a manageable area (EPA 2005). This approach was

effective for target shooting; however, ranges that offer sport clay shooting do not

utilize earthen traps, and thus the pellet dispersal (i.e., hundreds of lead pellets) is

over an open field. To prevent the pellets from breaking down and leaching lead

into the environment, the EPA has recommended monitoring the pH of the soil and

keeping it at a more neutral pH (EPA 2005). Acidic environments break down the

lead pellets and mobilize them into the soil or water nearby, thus increasing the

potential exposure of more plant and animal species (EPA 2005). Adding phosphate

to the soil prevents additional leaching of lead due to complexing of phosphate and

lead to form a stable compound, decreasing the mobilization of lead (EPA 2005). At

target and sport clay shooting ranges the most efficient technique for lead manage-

ment is removal and recycling. Range owners can remove spent lead ammunition

through raking and sifting as well as other manual techniques (EPA 2005). This is

beneficial not only because it removes lead from the environment, but also because

the spent ammunition can be washed and reused, essentially lowering the amount of

lead needed for future ammunition production. At larger target ranges and sport

clay ranges, outside third-party companies that specialize in lead ammunition

removal can be hired (EPA 2005). Companies such as these remove the top several

inches of soil and remove the lead using machinery prior to spreading the soil back

on the range (EPA 2005). Again, in cases such as this, the lead can be recycled

for the range manager or taken elsewhere by the company to be used. The final

management technique issued by the EPA is keeping detailed logs of all shooting

activity on the range (EPA 2005). Records of shooting activity allow for a more

accurate estimate of how much lead has been deposited on the range compared to

how much is reclaimed through recycling techniques.

In the case of California condor lead poisoning, outdoor shooting ranges were

not the source of lead. Instead the California condors most likely consumed lead

ammunition deposited in muscle tissue of game birds and mammals (Finkelstein

et al. 2012). Hunting is a nationwide activity in the United States and the lands

where hunting occurs are generally not managed like outdoor shooting ranges.

Instead, deposited ammunition is predominantly left in the environment causing
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local contamination, and animals wounded or killed and not found leave carnivores

and scavengers such as the California condor at risk of exposure. The most effective

way to prevent lead from entering the environment through recreational hunting

is to commercially remove lead as a component of ammunition. California has

already begun the process of removing lead ammunition from use in all hunting,

which will be completed in 2019; however, the remaining 49 states only require

non-lead ammunition for waterfowl hunting. Until all 50 states require non-lead

ammunition for hunting, wildlife will be at ongoing, likely increasing, risk of

exposure to lead in the form of spent ammunition.

6 Conclusion

The physical characteristics and abundance of lead have made this heavy metal a

useful component of building materials, cooking utensils, weaponry, plumbing, fuel

additives, and many more products throughout Roman Empire and post-Roman

Empire human history. The same characteristics that have attributed to the anthro-

pologic use of lead contribute to lead being a persistent environmental toxicant

(Battelle and EPA 1998; Dube 2006). As technology has advanced, the uses of lead

have only grown, further compounding the potential of environmental pollution

(USGS 2016). Over the last century, the multiple organ system toxicities induced

by lead have been recognized and studied to quantify the level of exposure that will

cause no detrimental effect; however, the overall outcome of this research has

shown that there is no safe level of lead exposure.

The major effort in lead research has focused on human exposure and toxicity.

This effort was driven by studies during the latter half of the twentieth century,

which showed that lead leached into the environment from automobile emissions

and that children could be exposed to lead via paint chips (McElvaine et al. 1992;

Needleman 2000; Bridbord and Hanson 2009). Based on these past studies and the

strict laws enacted, human lead exposure has been greatly reduced and reports of

recent human lead exposure incidents such as the Flint Michigan incident (Craft-

Blacksheare 2017; Sadler et al. 2017) are increasingly rare. Currently, the greatest

threat of lead exposure is from the environment and the animals and plants that

inhabit it (Table 1).

Although California has taken noteworthy steps towards protecting wildlife

species, in particular the California condor, additional efforts are needed at the

national level. It is currently unknown how many populations of different avian

species across the United States are at risk of harm from lead exposure, or how

diverse additional environmental factors may influence that risk. In addition, there

are very little data on the effects of subclinical lead exposure on the long-term,

trans-generational population health of avian species. This is an area that warrants

further investigation. If the protection of all species is a goal at the state and federal

level, then the removal of lead from ammunition is necessary. Further, more aggr-

essive environmental remediation at sites where lead ammunition has been used in
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Table 1 Avian species and lead exposure model

Species Latin name Exposure model Reference

Northern pintail Anas acuta Environmental Mateo et al. (2007)

Greylag goose Anser anser Environmental Mateo et al. (2007)

Greater flamingo Phoenicopterus ruber Environmental Mateo et al. (2007)

Glossy ibis Plegadis falcinellus Environmental Mateo et al. (2007)

Mourning doves Zenaida macroura Environmental Schulz et al. (2002)

Northern bobwhite Colinus virginianus Oral gavage 1, 5, or

10.45 mg pellets

Kerr et al. (2010)

Roller pigeon Columba livia Oral gavage 1, 2, or

3.45 mg pellets

Holladay et al. (2012)

Spanish emperial eagle Aquila adalberti Environmental Mateo et al. (2007)

Red kite Milvus milvus Environmental Mateo et al. (2007)

Bald eagle Haliaeetus
leucocephalus

Environmental Cruz-Martinez et al.

(2012)

Griffon vultures Gyps fulvus Environmental Dvm et al. (2016)

California condor Gymnogyps
californianus

Environmental Walters et al. (2010)

Canada geese Branta canadensis Environmental Howard and Penumarthy

(1979)

Whistling duck Dendrocygna bicolor Environmental Ferrayra et al. (2014)

White-faced tree duck Dendrocygna viduata Environmental Ferrayra et al. (2014)

Black-bellied whis-

tling-duck

Dendrocygna
autumnalis

Environmental Ferrayra et al. (2014)

Rosy-billed pochard Netta peposaca Environmental Ferrayra et al. (2014)

Brazilian duck Amazonetta
brasiliensis

Environmental Ferrayra et al. (2014)

Mallard duck Anas platyrhynchos Environmental Vallverdu-Coll et al.

(2015a, b)

Coot Fulic ralidae Environmental Binkowski et al. (2013)

Black-necked stilt Himantopus mexicanus Environmental Riecke et al. (2015)

Semipalmated

sandpiper

Calidris pusilla Environmental Burger et al. (2014)

Pacific dunlin Calidris alpina pacifica Environmental St Clair et al. (2015)

Black duck Anas rubripes Environmental Pain (1989)

Common pochard Aythya ferina Environmental Martinez-Haro et al.

(2011)

Black vultures Coragyps atratus Environmental Behmke et al. (2017)

Turkey vultures Cathartes aura Environmental Behmke et al. (2017)

Pied flycatcher Ficedula hypoleuca Environmental Berglund et al. (2007)

Red-crowned cranes Grus japonensis Environmental Luo et al. (2016)

Great tit Parus major Environmental Vermeulen et al. (2015)

Red-legged partridge Alectoris rufa 1 or 3,109 mg pellet

oral gavage

Vallverdu-Coll et al.

(2015a, b)

Broiler chicken Gallus gallus
domesticus

0.5 or 350 mg/kg

dietary lead acetate

Sun et al. (2016)

(continued)
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high quantities is crucial to prevent the leaching and spread of lead into surrounding

areas. The breakdown of these bullets into smaller fragments increases the potential

for consumption by animal species, especially avian species but also increases the

potential for soil, water, and plant contamination, compounding the ability for lead

to enter higher trophic levels.

7 Summary

This review summarizes historic and recent reports of lead toxicity in avian wildlife

species. These reports show that both aquatic and terrestrial birds are at continued

risk of lead exposure from sources that include spent lead ammunition, lead fishing

weights, and industry-related contaminated lead sediments. Avian exposure to such

lead at sublethal doses can cause detectable toxicities in multiple organ systems,

with harmful reproductive and developmental effects being of increased recent

concern. Diagnosis and treatment of lead toxicity are costly and generally reserved

for only the most endangered of species, particularly California condors and several

eagle species. Minimizing further exposures to these and other birds will most

effectively be achieved by blocking entry of new lead into the environment, through

measures such as California’s ban on lead ammunition by 2019. Remediation

techniques to remove existing lead from the environment will also help prevent

exposure of wildlife; however, in most cases will be prohibitively expensive.

Table 1 (continued)

Species Latin name Exposure model Reference

Ringed turtle dove Streptopelia risoria 4,100 mg lead pellet

oral gavage

Veit et al. (1983)

Common loon Gavia immer Environmental Sidor et al. (2003)

Brown pelican Pelecanus occidentalis Environmental Franson et al. (2003)

Double-crested

cormorants

Phalacrocorax auritus Environmental Franson et al. (2003)

Black-crowned night

herons

Nycticorax nycticorax Environmental Franson et al. (2003)

Northern cardinal Cardinalis cardinalis Environmental Beyer et al. (2013)

American robin Turdus migratorius Environmental Beyer et al. (2013)

Tundra swan Cygnus columbianus Environmental Berglund et al. (2012)

Whooper swan Cygnus cygnus Environmental Newth et al. (2016)

Golden eagle Aquila chrysaetos Environmental Redig and Arent (2008)

Saker falcon Falco cherrug Environmental Samour and Naldo (2002)

Peregrine falcon Falco peregrinus Environmental Samour and Naldo (2002)

Lanner falcon Falco biarmicus Environmental Samour and Naldo (2002)

Swamp harrier Circus approximans Environmental Nijman (2016)
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