Naser A. Anjum - Sarvajeet Singh Gill
Narendra Tuteja Editors

I Enhancing
Cleanup of
Environmental
Pollutants

Volume 2: Non-Biological Approaches

@ Springer



Enhancing Cleanup of Environmental Pollutants



Naser A. Anjum  Sarvajeet Singh Gill
Narendra Tuteja

Editors

Enhancing Cleanup
of Environmental Pollutants

Volume 2: Non-Biological Approaches

@ Springer



Editors

Naser A. Anjum Sarvajeet Singh Gill
CESAM-Centre for Environmental Stress Physiology and Molecular
and Marine Studies, Department Biology Laboratory
of Chemistry Centre for Biotechnology
University of Aveiro Maharshi Dayanand University
Aveiro, Portugal Rohtak, Haryana, India

Narendra Tuteja

Amity Institute of Microbial Technology
Amity University

Noida, India

ISBN 978-3-319-55422-8 ISBN 978-3-319-55423-5 (eBook)
DOI 10.1007/978-3-319-55423-5

Library of Congress Control Number: 2017937331

© Springer International Publishing AG 2017

This work is subject to copyright. All rights are reserved by the Publisher, whether the whole or part of
the material is concerned, specifically the rights of translation, reprinting, reuse of illustrations,
recitation, broadcasting, reproduction on microfilms or in any other physical way, and transmission
or information storage and retrieval, electronic adaptation, computer software, or by similar or
dissimilar methodology now known or hereafter developed.

The use of general descriptive names, registered names, trademarks, service marks, etc. in this
publication does not imply, even in the absence of a specific statement, that such names are exempt
from the relevant protective laws and regulations and therefore free for general use.

The publisher, the authors and the editors are safe to assume that the advice and information in this
book are believed to be true and accurate at the date of publication. Neither the publisher nor the
authors or the editors give a warranty, express or implied, with respect to the material contained
herein or for any errors or omissions that may have been made. The publisher remains neutral with
regard to jurisdictional claims in published maps and institutional affiliations.

Printed on acid-free paper
This Springer imprint is published by Springer Nature

The registered company is Springer International Publishing AG
The registered company address is: Gewerbestrasse 11, 6330 Cham, Switzerland



Preface

Environmental and organismal (flora, fauna, and human) health can be impacted
by varied chemical pollutants, continuously increasing in major environmental
compartments. Notably, the bioavailability, stabilization, and degradation of pol-
lutants are the major drivers that control the pollutant’s exclusion, remediation/
accumulation, and/or metabolism, performed by innovative technology involving
biological (plants and associated microbes, etc.) and/or non-biological/(electro)
chemical strategies.

This two-volume work is an effort to gather information on and get insights into
biological and non-biological (chemical) approaches extensively studied and
adopted for the speedy cleanup of pollutants from environmental compartments.
In Volume 1, (a) important concepts such as biological remediation strategies to
enhance soil quality at contaminated sites were overviewed; (b) synergistic influ-
ences of tolerant plants and rhizospheric microbial strains on the remediation of
pesticide-contaminated soil were highlighted; and (c) the role of plant types such as
hyperaccumulator plants in the cleanup of polluted soils was discussed. Overall, the
literature available on the major mechanisms and underlying natural inherent traits
of various plants and microbes for tolerating, excluding, remediating, accumulat-
ing, or metabolizing a variety of pollutants were critically appraised and elaborated
in Volume 1. Non-biological (chemical) approaches for enhancing the cleanup of
contaminated soils have been dealt in Volume 2. In brief, Volume 2 (a) highlighted
important concepts such as the role of metallic iron in the decontamination of
hexavalent chromium polluted waters; (b) discussed nanoscale materials and elec-
trochemical approaches used in water and soil remediation; and (c) elaborated in
detail the synthesis and characterization of cation composite exchange material and
its application in removing toxic metals.

A good equilibrium between theory and practice without compromising the
basic conceptual framework of the concerned topic has been ensured in this treatise.
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This work can be a useful asset to students, researchers, and policy makers
specializing in the areas of soils/sediments and aquatic pollution, environmental
chemistry/microbiology/plant physiology/molecular biology, sustainable develop-
ment, ecology, soil biology, and related disciplines.

Aveiro, Portugal Naser A. Anjum
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Noida, India Narendra Tuteja
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Non-biological Approaches for Enhancing
the Cleanup of Environmental Pollutants:
An Introduction

Naser A. Anjum, Sarvajeet Singh Gill, and Narendra Tuteja

Abstract This chapter introduces the book Enhancing Cleanup of Environmental
Pollutants: Non-biological Approaches. Discussion in significant chapters set out in
this book focuses on major approaches for the enhanced pollutants clean-up based
mainly on the use of techniques involving principles of chemistry and associated
areas. Chapter overviews presented herein can benefit potential readers of
this book.

Keywords Environmental pollution ¢ Pollutants « Remediation * Non-biological
approach ¢ Soil amendments

Introduction

Environmental compartments including soil and water have always been vital to
humans and fundamental to human health. A myriad of harmful chemicals are
being continuously added to soil and water and making these environmental
compartments unhealthy for life. Physical, chemical and phytoremediation tech-
niques have been suggested as major strategies for the minimization of the loads of
pollutants in environmental compartments. However, in these techniques, particu-
larly in phytoremediation approach, the natural inherent traits of various plants and
associated microbes for excluding, remediating/accumulating or metabolizing a
variety of pollutants are lagging behind due to low or negligible bioavailability,
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stabilization and degradation of major pollutants in contaminated environmental
compartments. Hence, in the present volume, selected chapters contributed by
eminent scientists, researchers and environmental/chemical engineers from over
the globe aim to enlighten major non-biological approaches for making the avail-
ability of pollutants to plants and associated microbes easy and their subsequent
degradation, absorption, adsorption, extraction/remediation/stabilization and mini-
mization of their environmental load speedy.

Chapter Overviews

Electrochemical techniques are in use for the pollutants remediation and have
provided elegant solutions for speeding the remediation of pollutant types. A
thorough description on the electrochemical methods for remediation of a variety
of dilute pollutants, organic contaminants, organic complexes with metals and
recovery of heavy metals is provided by Yasri and Gunasekaran (Chap. 2). The
authors advocated the versatility, energy efficiency, environmental compatibility
and cost-effectiveness of electrochemical methods for pollutants remediation.
Hydrocarbon compounds, including fuel and petrochemical products, have con-
taminated soils and water. Chemical, physical or biological approaches cannot
always be feasible for remediating hydrocarbon-polluted soils because of their
ineffectiveness and expensiveness or too lengthy nature. Microwave heating-
mediated remediation of hydrocarbon-polluted soils can be a major approach
alternative to the aforesaid strategy. In addition to its simplicity, safety, flexibility
and cost-effectiveness, microwave heating can offer the potential to significantly
reduce treatment times, risk of contamination and costs due to the direct interaction
of microwaves with the soil and its ability to overcome heat and mass transfer
limitations. To this end, Falciglia and Vagliasindi (Chap. 3) report the theoretical
background of microwave heating process and the related techno-economic fea-
tures for ex situ full-scale applications in remediation activities of hydrocarbon
contaminants. Considering its classification as the class A human carcinogen and its
increasing levels in environmental compartments, arsenic has gained a substantial
attention in recent years. In an effort by Khalid and co-workers (Chap. 4), a link
between arsenic speciation and its biogeochemical behaviour was established in
complex soil-plant systems. Additionally, the authors also overviewed different
biogeochemical processes potentially governing environmental behaviour of arse-
nic in the soil-plant system and highlighted the role of the chemical speciation of
arsenic affects in the biogeochemical behaviour (adsorption/desorption, mobility,
bioavailability/phytoavailability) in the soil-plant system. A discussion is also
presented on the relationship of soil physicochemical properties (pH, clay contents,
biological and microbial conditions, presence of organic and inorganic ligands and
competing anions/cations) with chemical speciation of arsenic as well as its bio-
geochemical behaviour in the soil-plant system. Aquatic environment including
water bodies is being significantly contaminated with toxic heavy metal ions and
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pathogenic bacteria. Hence, the scarcity of fresh and pure water is considered as a
biggest threat to human and animal life on the Earth. Nanotechnology-based water
purification/treatment systems for efficient and effective decontamination of water
bodies have gained attention recently. Focused at nanoscale composite materials,
Khan et al. (Chap. 5) provide insights into processes and mechanisms underlying
the role of nanocomposite materials in the removal of pollutants from polluted
water bodies. Being the largest water-consuming industry in the world, the textile
industry is responsible for the occurrence of many pollutants such as dyes, degrad-
able organics, detergents, stabilizing agents, desizers, inorganic salts and heavy
metals in its wastewater. Notably, the percolation of the said pollutants into the
groundwater is posing a serious threat to the health and socioeconomic life of the
people. Siddique et al. (Chap. 6) present a critical review on the textile wastewater
treatment options and also describe major advantages and limitation of the textile
wastewater treatment strategies. Among the existence of mainly two of its most
stable oxidation states, (4+III) and (4VI) of chromium, Cr(VI) exhibits its high
mobility in the environment, significantly contribute to pollution of air, soil and
waters, and is the most hazardous for all living matters. Metallic iron (Feo) is used
for the abatement of Cr(VI) pollution in aquatic system. Despite the substantial
research work on the removal of Cr(VI), done during last 25 years, there is no
consensus at this time in what regards the mechanism underlying the metallic iron
(Fe®-mediated clean-up of Cr(VI) pollution. In an effort, Gheju (Chap. 7) attempts
to provide an overview of chromium occurrence, chemistry and toxicity. The author
also does a critical review of existing knowledge on this subject. It was argued that
the mechanism of Cr(VI) removal with Fe’ is more complex than the simple
reductive precipitation.

A range of physical or chemical processes such as adsorption, electrochemical
methods, chemical precipitation, ultrafiltration and coagulation floatation is known
to affect the abstraction of metals-metalloids from contaminated media. Exten-
sively used methods based on the precipitation or oxidation-reduction may lead to a
secondary pollution. Notably, adsorption is accepted as one of the most adequate
and fiscal methods for the abstraction of metal ions at low ion concentrations.
However, in order to describe the adsorption mechanism for the interaction of metal
ions/dyes on the adsorbent surface, for the design of an adsorption process and to
determine the efficiency of adsorption, it is required to have information about
adsorption isotherms. To this end, Amal Raj et al. (Chap. 8) provide insights into
the toxic metals adsorption by functional styrene-maleic acid copolymer beads. The
authors also made their effort to develop well-organized styrene-maleic acid copol-
ymer beads and composites for adsorption of toxic chemicals. It was also advocated
to use hydrogen as a highly innovative and eco-friendly method for large-scale
clean-up of polluted water. In recent years, some new processes such as
bio-sorption, neutralization, precipitation, ion exchange, adsorption, etc., have
been developed and extensively used for the removal of toxic metals-metalloids
from wastewater. In particular, ion exchange was reported to be the most helpful
method in adsorption of metal ions because ion exchangers have high capacity and
specificity for the metal ions, even if found in low concentrations. Also, many
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hybrid ion exchangers with conjugated properties of polymer and intrinsic proper-
ties of inorganic exchanger have been introduced. To this end, in addition to
overviewing major toxic metal-metalloid and their biotoxicity, Kashifuddin and
Bushra (Chap. 9) synthesize, characterize and discuss the role and underlying
mechanism of composite cation exchange materials in the remediation of toxic
metal ions.

The use of amendments (organic and mineral) has also been considered as an
important tool for enhancing the remediation and bioremediation of contaminated
compartments such as soils. However, scientific and technological bases are
required for properly adding these amendments in the polluted soils and also for
reaching high-pollutants degradation rates. Forjan and co-workers (Chap. 10) and
Fernandez-Luqueno and co-workers (Chap. 11) discuss ins and outs of amendments
(organic and mineral)-mediated enhancements in the decontamination of soils
polluted with inorganic and polycyclic aromatic hydrocarbons. Parallel to the
trace element contamination, the massive generation of organic waste by human
activities has also contaminated environmental compartments. Proposal of several
alternatives to avoid landfilling and promote recycling has also been made. In this
context, organic amendments were reported to precipitate complex, adsorb and
absorb pollutants thereby reducing the bioavailability of the pollutants, as well as to
improve soil structure and fertility. Forjan and co-workers provide examples in
support of organic amendments-assisted remediation of soils polluted with inor-
ganic contaminants. The addition of organic amendments in polluted soils is
considered one of the most promising recovery techniques at present, because it
makes use of waste which would in most cases unutilized for any activities and
cause other damage to the environment. Organic amendments such as biochar,
technosols, sewage sludge and compost were argued to convert waste into envi-
ronmental benefits at low cost. Generated primarily during the incomplete combus-
tion of organic materials (e.g., coal, oil, petrol and wood), polycyclic aromatic
hydrocarbons have become ubiquitous environmental pollutants and need attention.
This is because a range of negative effect of polycyclic aromatic hydrocarbons has
been reported on the human and environmental health and on the agricultural soils
as a route of contaminants entering the food chain. Fernandez-Luqueno and
co-workers analyse the relevant state of the art on the role of organic and mineral
amendments for remediation of polycyclic aromatic hydrocarbons and also discuss
the main advantages and disadvantages of this approach. Additionally, some
experiences on remediation and bioremediation of polycyclic aromatic
hydrocarbon-polluted soils are also shared by these authors.
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Electrochemical Technologies
for Environmental Remediation

Nael G. Yasri and Sundaram Gunasekaran

Abstract Contamination of environmental compartments with a myriad of
chemical pollutants is inevitable. Many physical, biological, photolytic, chemical,
and electrochemical techniques are in use for the pollutant remediation. Notably,
elegant solutions to remediating environmental pollutants have been provided by
electrochemical methods. Literature supports the versatility, energy efficiency,
environmental compatibility, and cost-effectiveness of electrochemical methods
for pollutant remediation. This chapter aims to describe electrochemical methods
for remediation of a variety of dilute pollutants, organic contaminants, organic
complexes with metals, and recovery of heavy metals. Additionally, effort has also
been made to discuss major bioelectrochemical methods for the generation of
energy from waste stream as power source.

Keywords Environmental pollution ¢ Remediation <« Electrochemistry
« Electrochemical technologies ¢ Bioelectrochemistry

Introduction

Advances in technology and increased consumer demand for goods and services have
resulted in increased amounts of pollutants present in the environment. The pollutants
are usually categorized under different subtypes, and various regulatory bodies often
refer to those that are most dangerous to the environment as belonging to a “Black
List,” which includes persistent organic pollutants (POPs) such as organohalogen,
organophosphorus, some metals, and their organometallic complexes. Many POPs
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are toxic and resistant to conventional biological and chemical wastewater treatments
and bioaccumulate in the environment (Calow 2009).

Many problems associated with hazardous wastes, however, can be avoided if
proper actions are taken in the early stages by either waste reduction (cutting down
the amount of waste at the origin) or waste elimination (replacing hazardous
materials with “green” chemicals or using treatment processes which reduce the
amount of waste requiring ultimate disposal). This would necessitate ensuring that
waste is recovered as much as possible and when necessary disposed off using
methods that are benign to the health of humans and the environment. However, it is
said that municipal wastewater may contain as much as 9.3 times the amount of
energy required for its treatment (Fan et al. 2012). Waste streams, therefore, can be
considered as a preliminary source of energy and technologies, which can generate
energy from waste, and are considered as “green” or environmentally friendly
(Harnisch et al. 2015; Liu et al. 2005). Consequently, it is important to consider
the following hierarchy of priorities while dealing with wastes: prevention, reduc-
tion, reuse, recycle, and appropriate utilization of waste as a source of energy
(Wang et al. 2010c).

The many techniques used in the remediation of wastes fall under the major
categories of physical, biological, photolytic, chemical, and electrochemical. Of
these, electrochemical methods often provide elegant solutions to remediating
environmental pollutants (Janssen and Koene 2002; Ota et al. 2014); they offer
several advantages over other methods such as versatility, energy efficiency,
amenability to automation, environmental compatibility, and cost-effectiveness.

Generally, electrochemistry is considered a physicochemical discipline with
wide-ranging applications that are directly or indirectly useful in our daily life.
These include chemical conversion for energy generation, energy storage (battery
charging/discharging), metal coating, surface technology, biological systems (ner-
vous, cardiology, and cells), corrosion, electroanalysis, sensor, electrosynthesis,
pollution control, recycling, treatment, remediation, and disinfection (Ota et al.
2014). Electrochemical techniques have been used since the early 1960s for the
treatment of wastewater containing metallic, organic, and inorganic compounds
(Chen and Hung 2007; Comninellis 2010; Rajkumar and Palanivelu 2004). The
technique is known for its broad adaptability. For example, in an electrochemical
cell various types of reactions such as oxidation, reduction, phase separation,
dilution, concentration, and biological and photolytic reactions can be monitored
directly or indirectly. Separation of the reaction products is feasible by imple-
menting various established designs or controlling reactors and/or reaction condi-
tions. Pollutants of different types or phases, i.e., solids, liquids, or gases, could be
dealt with. Also, electrochemical reactors are scalable for treating solution volumes
ranging from milliliters to barrels or more. Electrochemical treatment is usually
performed at temperatures lower than non-electrochemical approaches, which leads
to increased energy efficiency. Varying the applied potential, design of electro-
chemical cells, and choice of electrodes could help minimize power losses, voltage
drops, and unwanted side reactions. Additionally, data collected in terms of current
and voltage facilitate process automation and control. External control of the
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electron transfer across the interfaces causes the electrons to obtain a specific
energy, thus making electrons the main reagent for the interface reaction; this
“clean reagent” promotes environmentally benign technology (Chen and Hung
2007; Comninellis 2010). For example, a prudent choice of electrode type (inter-
face surface) enhances the selectivity of the electrode and hence prevents the
production of unwanted side reactions. Overall, electrochemical processes are
generally simple and, if properly designed, cost-effective.

Commonly, pollutant species which are targeted for electrochemical treatment
are rather dilute, seldom exceeding in concentrations a few hundred or thousand
parts per million (ppm). Therefore, electrochemical pollutant remediation falls
under the electrochemistry of dilute solutions, which is completely different from
that of treating concentrated media. For example, electrochemical properties of
effluents contaminated with toxic heavy metals are different from those of
electroplating or electrowinning media, which are very dilute. Accordingly, the
design considerations of electrochemical cells for treating dilute streams are dif-
ferent than those for concentrated solutions.

The applications of electrochemical technologies for industrial recycling and
effluent treatment include the removal, recovery, and separation of dissolved
metals, destruction of dissolved organic materials, and treatment of waste gases.
More recently, electrochemical technology is used to generate electric power or
hydrogen from waste products in the so-called microbial fuel cells (MFCs) (Logan
2008) or microbial electrolysis cells (MECs) (Logan et al. 2008), respectively.
Considering other applications, electrochemistry can be used to control electrode
potentials for detoxification of specific biological inhibitor compounds, such as
phenolic and furfural produced during various chemical and biological platform
treatments (Lee et al. 2015).

Given the above, this chapter aimed to describe electrochemical methods for
remediation of a variety of dilute pollutants, organic contaminants, organic com-
plexes with metals, and recovery of heavy metals. In addition, electrochemical
methods to generate energy from waste stream as power source are also included.

Electrochemistry: The Basics

Electrochemistry is the science that deals with the consequences of transferring
electric charges from one phase to another; in particular, it deals with the electric
properties at interfaces. For example, when two phases (a metal electrode and an
electrolyte solution containing ions) are brought into contact, some ions in one
phase tend to transfer to the other, carrying their electric charge. This creates a
potential difference across the region between the two phases. This region is called
an interface (or electrode interface), and the potential is called the interface
potential (or electrode potential). Thereby, in an electrochemical cell, at one
electrode-electrolyte interface, electrons leave the electrode (electron source, cath-
ode), and the particles (cations) of the solution are reduced. At the other interface,
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the electrode (electron sink, anode) takes electrons from the particles, and oxidation
takes place. External control of electron transfer rates across the interface causes the
electrons to obtain specific energy.

The definitions and sign conventions of anode and cathode used are conven-
tional, with anode always being the site of oxidation and cathode, the site of
reduction. The conventional signs of currents and potentials measured at the both
sites (anode/cathode) depend on the type of electrochemical cell. For example, in a
galvanic cell (e.g., batteries), where reactions are spontaneous, the cathode is
assigned positive (electron sink, where reduction takes place). However, in the
electrolysis cell where current or potential is applied to drive a chemical reaction,
the anode is assigned positive. The control of the sign and the rate of electrons
exchange at the interfaces in the electrochemical cell are additional advantages to
possibly control the chemical reactions through an applied potential, which can
help promote process automation.

Electrolysis can be used for wastewater treatment exploiting the oxidation/
reduction reactions at the electrodes (Chen 2010). Reduction takes place at the
cathode by the action of diffused cations toward the surface (e.g., deposition of
metal ions on cathode) generating cathodic currents; while at the same time, anions
diffuse toward the anode for oxidation to take place at the surface generating anodic
currents.

General Aspect of Electrochemistry

Before describing the main electrochemical treatment technique and the mechanisms
involved, it is helpful to review the basics of electrochemistry, which is necessary to
understand the performance of various remediation processes. Efficiency calculation
of the electrochemical remediation process are summarized in [Box 1].

Box 1 Calculation of Efficiency Parameters
Current Efficiency and Energetic Parameters

Electrochemical remediation of pollutants is usually monitored on the
basis of change in the pollutant concentration in the treated solution or by
using collective parameters such as chemical oxygen demand (COD, in mg
0, L") and/or total organic carbon (TOC, in mg carbon LY. The effec-
tiveness of the electrolysis process () to remediate substances is monitored
by the percentage removal (%) calculated as:

actual decreace in concentration

a (%) 100 (1)

initial material concentration

(continued)
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Box 1 (continued)

The data of concentration variation also allow calculating efficiency
parameters for determining the efficiency of electrochemical processes in
terms of electrical charge consumed. To calculate the instantaneous current
efficiency (ICE), which is defined as the ratio of current effectively used in
the remediation process (I.¢) at a given time () to the applied current (/,pp1),-.

ICE(%) = Ief/]appl (2)

For example, the ICE for COD removal during electrolysis in a batch
operation at a constant current is calculated as (Brillas et al. 2009):

(COD, — COD,, A, )FV

ICE (%) =
(%) 8lpp1 AL

x 100 (3)

where, COD, and COD,, 4, are the COD values at times ¢ and ¢ + Af (s), F is the
Faraday constant (96,485 C mol "), Vs is the solution volume (L), the constant
8 is the oxygen equivalent mass (g eq "), and ILppi 18 the applied current (A).

Similarly, the current efficiency is the ratio of theoretical to actual energy
required for given electrochemical reaction. The theoretical energy require-
ment is usually calculated from the expected reaction product from Faraday’s
laws if there were no side reactions, and the actual energy required is
calculated from the input energy to the system. For example, applying
2 Faradays (2 x 96,485 C) of electrical charge to Cu electroplating cell
should theoretically deposit mole equivalent of copper metal on the cathode
(where 2 is the number of electrons charge on the cathode to deposit one Cu
atom). On the other hand, considering COD decay (mg O, L™ for electro-
chemical organic remediation process, average current efficiency (ACE) at
time ¢ is given by Eq. 4.

ACE (%) = 7AC0813; Vs 100 (4)
Other practical parameter is electrochemical energy consumption (EEC),
defined as the energy (kWh) required to treat unit volume (m®) of effluent or
unit COD (mg COD ') or unit TOC (mg TOC ") (Brillas et al. 2009). EEC is
considered an important parameter in comparing the efficiency of different
electrochemical remediation methods in regard to energy-related calcula-
tions. The EEC (kWh) during operational time (¢ in h) at constant current
(Iin A) and voltage (E in V) can be estimated per unit volume (Vs in m°), unit
COD mass, or per unit TOC mass according to Egs. 5, 6, and 7, respectively
(Brillas et al. 2009).

(continued)
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Box 1 (continued)

Eeall
EEC (kWhm ) = V—“t (5)
S
= Ecelllt
EEC (kWh (g COD) ') = ECeTR (6)
t S
-1\ __ Ecelllt
EEC (kWh (g TOC) ') = Lo (7)
t S

Usually electrochemical treatment like any other treatment can proceed in
either batch or continuous operation. In a batch operation, the volume of
effluent treated is constant during the treatment period (the solution can be
stirred, circulated, or statically stable). In a continuous operation, wastewater
is continuously allowed to flow through and treated. In the continuous system,
an important parameter is hydraulic retention time (HRT), or the hydraulic
residence time, defined as the average duration; the effluent remains in the
reactor and calculated by dividing the volume of reactor by effluent flow rate
(Eq. 8).

Volume of reactor (mL)
Flow rate (mL/min)

HRT (min) = (8)

Parameters, such as a, ICE, ACE, and EEC, can all be calculated for
continuous operation to be compared with various electrochemical treatment
approaches.

Faraday’s Law

Faraday’s law is the basic law that governs the theory of electrochemistry. It states
that (a) amount of chemical change produced by an electric current is directly
proportional to the quantity of electricity that passes during a certain time and
(b) amounts of different substances liberated by a given quantity of electricity are
proportional to their chemical equivalent weights. Faraday’s law is expressed in
terms of the weight (w in g) of metal deposited at the electrode as:

I1tA
WETE ©)

where: [ is applied current (A), ¢ is duration (s), A is atomic weight of metal
deposited (g), z is metal valence, and F is Faraday constant (96,487 C/mol).

The Faraday constant is the quantity of electricity required to deposit the
equivalent weight in grams of a metal (atomic weight = equivalent
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weight x valence). This means that (a) by measuring the quantity of electricity that
passes, one has a measure of the chemical change that will be produced and (b) by
knowing the chemical equivalent weight of a substance, one can predict the amount
of substance that will be reacted by a given quantity of electricity.

Current Density and Limiting Current Density

The current density (J), defined as the current per unit area of electrode, is very
important in electrochemical operations. The character of the reactants, the distri-
bution, and the efficiency of the process all depend on J. Limiting current density
(Jp) is defined as the current density at which ions deplete as rapidly as they can
diffuse (reach and react) to the electrode surface. The Ji of any electrolyte increases
with the concentration of ions. In this way the current efficiencies obtainable also
increase. Ji is related to the thickness of the diffusion layer (region at the
electrolyte-electrode interface where concentration gradient occurs compared to
the bulk solution) by the following expression:

k
JL:g (10)

where d is thickness of the diffusion layer

DnFC
k=——— 11
o (11)
where D is diffusion coefficient, n is ion valence, N is transport number, C is
concentration of ionic species, and F is the Faraday constant.
Note that when C is low (low ion concentration), N is normally zero; thus:

_DnFC

k
d

(12)

If d is constant, a decrease in ionic concentration will produce a proportional
decrease in Jy.. Similarly, by decreasing d it is possible to increase J and thereby
increase reaction rates.

Overvoltage

The reaction potential for reversible and irreversible reactions at the electrode
surface is known, by convention, as electrode potential. In some cases, high kinetic
barrier has to be overcome for the interface reaction to occur, which is achieved by
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applying an extra potential (extra energy) called overvoltage (1) (or over potential).
The value of # is directly related to both voltage of the electrochemical cell and
efficiency of the process. There are a number of types of #, whose source and how it
influences the course of the electrochemical reactions are described below.

(i) Concentration overvoltage: When current is passed through a cell, the activity
of ions (concentration) near the electrode changes. Taking the deposition of
metal ions on the cathode surface as an example, the replenishment of these
ions from the bulk solution is not as fast as the deposition process. This delay in
replenishment causes a difference in concentration, which lowers the equilib-
rium potential. This difference in the equilibrium potential is termed as con-
centration overvoltage (1.).

(i) Activation overvoltage: The energy lost due to the slowness of electrochemical
reactions and the dissociation of molecules at the electrode interface for an
electrochemical reaction to take place is called activation overvoltage (7.c).
This can simply be explained by the fact that most metal ions are hydrated in
solution, and the coordination sphere of the ions must be distorted and the
water molecules freed from their association with the metal ion for the process
of deposition to take place. This portion of energy form an energy barrier
consists of two components: the activation energy of the charge transfer
reaction toward the electrode surface and the electric energy associated with
the interaction between ions and the electrode. For most metals depositing on a
cathode 7, is fairly small and can usually be neglected, unless i is very large.
However, certain metals and all gases show evidence of considerable #,.

The relation between current and #, is a logarithmic function given by the Tafel
equation (Eq. 13) (Zoski 2006).

Maet = @ + blog/ (13)

where a and b are constants dependent on the reaction mechanism and J is current
density.

(iii) Resistance overvoltage: The most common form of resistance overvoltage (7,)
arises from the passage of electric current through an electrolyte solution
surrounding the electrode. Such a solution shows resistance to current flow
resulting to an ohmic (IR.4) drop in potential between the electrodes. A less
common form of #,. is caused by the formation of a surface-adherent film that
itself possesses substantial resistance. In some cases, one or both electrodes
are covered with a film of resistance different from that of the origin.

The evolution of hydrogen and oxygen at the electrode surfaces during the
electrolysis of dilute aqueous solutions of acid or bases is well known and consid-
ered a prominent phenomenon in the electrolysis of dilute effluents. Hydrogen
overvoltage (ny) is of great importance in the electrolysis solutions containing
metal ions. In fact, if there was no 7y, many metals could not be deposited from
aqueous solution. #ny depends strictly on the cathode (material and surface).
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Some cathodes cause a large 7y value, which will allow some metal ions to deposit
on the surface without the evolution of hydrogen gas or allow metal deposition and
hydrogen evolution to take place at the same time. 7y is higher on smooth surfaces
than on rough ones and has a value that varies from negligible on platinum surface
and quite low on graphite to perhaps as much as 1 volt on mercury.

Mechanism of Electrolysis and the Transport of Ions

The ability of a solvent, especially water, to ionize substances dissolved in it makes
electrolysis possible. However, the demand for electric charge at the interface
cannot be met by ions, which remain stationary in the solution, or just move
about at random. Different ions move at different rates from the bulk solution to
the interface between solution and electrode, and electron transfer processes at the
interfaces accompany this. An example is the case of using metal salt as an
electrolyte in normal electroplating solutions. As metal is deposited at cathode,
the solution in its immediate vicinity is depleted of metal ions. If plating is to
continue, these ions must be replenished. There are three possible ways in which
ions reach the electrode surface, which may also occur simultaneously. These mass
transfer methods are (Zoski 2006) (1) diffusion, (2) convection, and (3) and migra-
tion and are detailed below:

1. Diffusion occurs as a result of concentration gradient being set up at the
electrode interface with electrolyte. A difference in concentration can arise
when electrochemical reaction occurs at the electrode surface, converting ions,
and consuming out of a solution by electron transfer, so reducing the concen-
tration of ions near the electrode compared with the concentration a few thou-
sand angstroms further into the liquid. This gives rise to the movement of species
from higher to lower concentration. Hence, diffusion occurs for ionic or
uncharged species through the solution as a result of concentration gradient.

2. Convection occurs as a result of hydrodynamic flow and can be characterized as
either forced or natural. Forced convection occurs when the solution is stirred,
and natural convection occurs when the solution is stirred or not. When differ-
ences in pressure, density, or temperature exist in various parts of the electrolyte,
then the liquid begins to move as a whole or in parts. For example, when metal
ions are deposited on the electrode, the density of the solution at the electrode-
solution interface is reduced. This density change causes an influx of ions from
the surrounding solution to move toward the electrode, independently of that
caused by diffusion. Lower-density solution at the vicinity of the electrode
surface flows upward, while the higher density solution flows down into the
bulk solution creating a convection current. The difference between diffusion
and convection, therefore, is that diffusion occurs because of change in concen-
tration of ions and convection because of density variation.
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3. Migration involves movement of cations and anions through a solution under the
influence of an applied potential between electrodes placed in the solution. The
movement is initiated due to the attraction of opposing charges, i.e., the potential
gradient will act upon the ions to push the positive ions toward the negative
electrode and the negative ions toward the positive electrode. If the moving
species are neutralized (uncharged) or the concentration of ions reacting at the
electrode is small compared to the concentration of other ions in the solution, the
effect of ionic migration is negligible compared to that of diffusion.

Treating Methods for Metals and Inorganic and Organic
Metal Complexes

Several methods are used for the removal and recovery of metal ions from industrial
effluents including chemical precipitation (Ozverdi and Erdem 2006; Pérez et al.
2010), adsorption (Babel and Kurniawan 2003; Guo et al. 2010; Li et al. 2003),
biosorption (Sulaymon et al. 2014), solvent extraction (Kocaoba and Akcin 2005),
cementation (Konsowa 2010), membrane filtration (Borbély and Nagy 2009;
Landaburu-Aguirre et al. 2010), ion exchange (Alyiiz and Veli 2009), coagulation
(Charerntanyarak 1999), flocculation (Beltran Heredia and Sanchez Martin 2009),
flotation (Kurniawan et al. 2006), reverse osmosis (Dialynas and Diamadopoulos
2009), electrodialysis (Abou-Shady et al. 2012; Chaudhary et al. 2000), and elec-
trochemical treatment (Tao et al. 2014). However, there are practical limitations to
most of these methods arising mostly from the presence of organic, complexing, or
chelating regents present in streams.

Similarly, for effluents containing organic materials, there are many possible
ways to remediate them. However, the efficiency of many of these methods is
reduced in the presence of heavy metal ions, and this is particularly true if the
organic species form strong complexes with the metal ions in solution (Quivet et al.
2006). The presence of organic and inorganic species with metal ions changes the
chemical, physical, and toxicological properties of the metal ions (Bradl 2005). For
example, the presence of ethylenediaminetetraacetic acid (EDTA) as a complexing
agent in a metal-containing solution will result in the formation of anion charged
complex (Eq. 14).

M £ H, Y2 — MY?™ +2H* (14)

where EDTA is assigned the formula H,Y; disodium salt (Na,H,Y) supplies the
complex-forming ion H,Y?~ in aqueous solution. The ligand is normally
hexadentate and reacts with heavy metals (M"") in 1:1 ratio. Thus divalent metal
ions (M*"), for example, react with disodium salt as shown in equation (Chaudhary
et al. 2000).
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These metals anions are stable and soluble at moderately high pH (>8), which
prevent the process of metal hydroxide precipitation when attempt is made to
remove heavy metals by precipitation at high pH. Additionally, the presence of
metal ions can retard the destruction of organic contaminants with the efficiency of
recovery of the metal being reduced by the complexing species (Carrier et al. 2006).
The treatment approaches for these complexes include ion exchange (Nabi et al.
2006), reverse osmosis (Ujang et al. 2010), and nanofiltration (Gao et al. 2014).
These methods generate concentrated solutions from which the metal must be
removed/recovered prior to liquid disposal. The alternative treatment method
includes breaking the metal-organic complex into free metal and free chelating
agent, followed by separation of the metal in an insoluble form with the organic
agent discharged for subsequent treatment. Breaking the metal-reagent bonds
requires chemical or other form of energy input into the system. For example,
catalytic decomposition applying catalytic advance oxidation (CAO) such as pho-
tolytic treatment is applied to degrade organics incorporated with metals using
photoactive species such as titanium dioxide (TiO,) or hydrogen peroxide (H,O,) at
a certain pH (Soderquist et al. 2012). The combination of two techniques such as
catalytic decomposition by applying advance oxidation, say by ultraviolet
(UV) irradiation, followed by electrochemical removal of freed heavy metals ions
(Chaudhary et al. 2009) is a promising method to remove heavy metals over
relatively long decomposition periods.

Processes other than CAO require the use of chemicals as oxidants which is
disadvantageous due to the addition of more chemicals to the waste streams that
may complicate the treatment process (Prairie et al. 1993). For example, Katoh
(1986) patented a process to treat liquid wastes containing chelated heavy metal
compounds, which involves pH adjustment, iron polysulfate addition to form an
iron chelate compound, then removal of the formed product via flocculation, and
precipitation of the flocs at high pH. Other researchers applied similar approaches
but attempted to reduce the use of aggressive and hazardous chemicals such as acids
and bases. Al-Zoubi et al. (2015) proposed a method to treat industrial effluents
containing heavy metals employing the coagulation/flocculation principles. They
used various types of polymers to reduce the use of iron (Fe) or aluminum (Al) ions
as flocculants to remove heavy metals and can be discharged into designated
receptacles for further treatment.

Considering both their value and adverse impact on the environment, heavy
metals should be reclaimed from industrial effluents. Generally, the coagulation/
flocculation system creates sludge, which will contain the removed pollutants that
require further treatment or disposal (discussed in detail later. This is also true for
electrocoagulation or electroflocculation systems, where sacrificial Fe or Al elec-
trodes are employed to generate coagulants. Kaspar et al. (Morkovsky et al. 1999)
patented a process and apparatus for electrocoagulation treatment of industrial
wastewater employing sacrificial electrodes conjugated with foaming system to
flocculate pollutants. Some advance research has been performed to improve the
performance of electrochemical coagulation/flocculation system by adding steps
such as disinfection/oxidation with ozone, UV, and ultrasonic treatment, as well as
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recirculation in the electromagnetic field to reduce or to treat the sludge (Visnja
et al. 2013).

Overall, the aforementioned treatment methods simultaneously remove, to a
certain extent, mixed heavy metals from solution. However, considering the value
of heavy metals, for the treatment process to be effective, their separation and
recovery from waste streams have to be taken into account.

Electrochemical Approaches for Separation, Removal,
and Recovery of Metals

Electrochemical methods to remove heavy metals involve the deposition of metal
ions from effluents on cathode surface and have the advantages of recovery as well
as removal. The electrodeposition (ED) process can be performed by imposing
either fixed current or fixed potential. Essentially, in an electrochemical cell
containing mixed metal ions, the deposition reaction at the cathode, which requires
the least negative potential, will initially take place, especially if the deposition
potential of any alternative process is much more negative and almost exclusively if
the alternative potential is only slightly more negative. If the potential is made
sufficiently negative to produce a second reaction, that reaction may occur simul-
taneously, and if potential is made enough for the electrolysis of water to occur,
hydrogen will start to produce at cathode surface. There are exceptions for some
metals that cannot be deposited from aqueous solutions such as titanium (Ti) and
Fe, which are very active metals and cannot be electroplated on electrode. The
metal ions with associate ligands (water or complex anion) attach themselves at
certain preferred sites (irregular surfaces); at the same time, metal ions bound to the
electrode surface and partially neutralize their charge, and the associated ligands
dissociate to diffuse back into the solution. Monoatomic growth layers are produced
until several neighboring lattices meet to form a coating on the electrode. The
nucleation energy, energy required for the formation of nuclei on the cathode
surface, can be calculated from Eq. 15.

AG = —N*ze |n| + @(N) (15)

where N" is number of atoms per nucleus growth (cluster), z; is charge of the metal
ion, eq is elementary charge of the electron, Iyl is absolute value of the applied
overvoltage, and @(N) represents the increased surface tension caused by the
addition of new atoms.

Applying the same principle at the anode side, the reaction, which requires the
least positive potential, occurs at the anode, unless the potential becomes so
positive that a second reaction is possible. In aqueous electrolyte solution, if applied
potential is sufficient to produce oxygen, the electrolysis of water will take place.
Under some electrochemical conditions, metals may react at the anode surface to
form metal oxides. This phenomenon is well established going back to the early
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nineteenth century, when electrochemists used galvanic cells as power source to
produce metal oxide-coated anode (Schlesinger and Paunovic 2014). The formation
of metal oxide on anode depends on the metal ion present and pH of the electrolyte.
For example, during the electrolysis of lead ions, deposition of lead on the cathode
and lead oxide on the anode will occur simultaneously over a wide pH range.
However, with most transition metals a film of metallic hydroxide may form on the
anode in alkaline media (according to Eqgs. 16 and 17), which is converted subse-
quently as a result of applied potential to metal oxide. The electrochemical forma-
tion of metal oxide film on anode is widely utilized in the modern development of
solar cells. However, in some cases the presence of such films reduces the current
flowing through the electrochemical cell, and hence the film acts as an insulator.

M) + OH(y — M(OH), 4 (16)
M(OH), (,45) — M2Oy(s) + 2nH(, ) +ne” (17)

In developing potential methods for recovering metal ions from secondary
sources, often the solution to be treated will contain more than one metal ion in
dilute concentrations, for example, in effluents originating from metal-coating
baths, dissolution of spent solder, wire scrap in mining, and hydrometallurgical
leaching solutions. In these cases, we need to reclaim individual metals separately
for the process to be efficient and economical. Generally, a multistep chemical
process is employed including acid/alkali leaching, followed by extraction, cemen-
tation, precipitation, or electrowinning (Clancy et al. 2013; Crundwell et al. 2011).
Applying electrochemical separation is also possible. Hence, a selective ED of
individual metal can be achieved theoretically by careful control of electrode
potential and solution media (Grimshaw et al. 2011). There have been several
attempts on separate ED from mixed metal ion solutions, e.g., Cu/Cd, Zn/Cu, and
Pb/Cu (Doulakas et al. 2000). In many cases, especially those involving Cu, the
difference in standard electrode potential ensures that selective ED is effective. A
selective ED process can be performed by stabilizing the cathode voltage at the
metal potential (referenced to a standard calomel electrode), which allows the
selected metal at the selected potential to deposit on the cathode surface. However,
the selectivity can be disturbed if impurities or complexing agents of inorganic/
organic species are presented. For example, from standard reduction potentials of
Sn, Pb, and In (—0.1364, —0.1263, and —0.338 V, respectively), we presume that
selective separation of Sn/In and Pb/In is possible. However, in an acidic leaching
solution, Pb was electrodeposited on cathode and removed from solution but not
indium (Yasri 2001), thus separate ED of In, Sn, and Pb would require careful
control of the acidity of the solution and in the presence of complexing
agent (Grimes et al. 2017).

Electrochemical methods employing membrane technology (i.e., electrodialysis)
are effective for scale-up and metal ion separation. The process of metal separation
can be performed by adding chemicals that selectively complex (mask) one group of
elements and prevent transportation across the cation exchange membrane (CEM)
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Fig. 1 Two-compartment (a) and three-compartment (b) electrodialysis cell (Adapted from
Chaudhary et al. (2000) and Yasri (2001))

while allowing transportation of unmasked hydrated cations (Allen and Chen 1993;
Da browski et al. 2004; Pedersen et al. 2005; Sadrzadeh et al. 2008). The basic
concept of the separation process using electrodialysis with enhanced cation and
anion exchange is demonstrated in Fig. 1 (Chaudhary et al. 2000; Yasri 2001).
Briefly, in a three-compartment electrodialysis cell (Fig. 1b), the separation is
achieved by exploiting the greater stability of the complexing agent such as EDTA
with one of the metal mixtures. For example, in a three-compartment electrodialysis
cell, Ni-(EDTA)*~ complex and hydrated Co*" ions are separated by electro-
transferring from the feed solution to the electrodialysis anolyte and catholyte
chambers, respectively (Chaudhary et al. 2000; Yasri 2001). Applying the same
principle, various metal ions are separated, e.g., Cu and Pd from Co (Yasri 2001).

In an electrodialysis system, problems may arise when using a system with a
two-compartment cell, i.e., anolyte and catholyte chambers without a middle
chamber (see Fig. l1a). The masked metal-EDTA complex will be in immediate
contact with the anode surface, which may oxidize due to the anodic oxidation
process that causes dissociation of the metal complex, freeing the associated metal
and permitting the movement of metal toward the catholyte chamber, which
reduces efficiency of the separation process. Here, it is important to use a three-
compartment electrodialysis cell (Fig. 1b), in which the metal-EDTA is transferred
to the anolyte chamber. Although this complex can be destroyed at the anode
surface to release the hydrated metal ions, due to the natural properties of the
anion exchange membrane (AEM), these ions cannot cross the membrane to return
to the feed or catholyte compartments. Moreover, during the separation process, in
the catholyte chamber the hydrated metal ions will either remain in solution or
deposit on the cathode depending on the electrolysis condition (e.g., pH, cathode
material, type of hydrated metal ions, and concentration).
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Electrolysis of Dilute Metal Solutions

Generally, as consequences of industrial processing, toxic metal species, which are
to be treated, are found in dilute concentrations, rarely in excess of a few hundred or
thousand ppm. During electrolysis, however, the transport of ions in dilute solutions
(<1000 ppm) is completely different from that in concentrated solutions. This
presents problems for ED and removal of the metals from dilute solutions. Elec-
trolyzing solution containing dilute metal ions, the concentration of these ions will
form a gradient from the bulk of the electrolyte to the surface of the electrode where
the value at the electrode is zero (that metal ions deposit in metallic structure) at
limiting current density creating a diffusion layer (or boundary layer) of thick-
ness ~ 0.5 mm (in unstirred solution). Figure 2 illustrates the boundary layer
established between the electrode surface and the bulk of the electrolyte. It can
be distinguished that in addition to the concentration gradient, ions are forced to
move by convection and migration. But, due to the low concentration of ions in
dilute solutions, the most effective way to transport the ion across the boundary
layer up to the electrodes is by diffusion. For metal ions to be deposited on the
electrode and removed from dilute solutions, the ions must cross the diffusion layer,
and for this to occur, the effective thickness of this layer must be small. If the
boundary layer thickness is not reduced and the current density is increased beyond
that which brings the ion concentration to zero at the electrode surface, then other
competing reactions such as the evolution of hydrogen will take place and lower the
efficiency of the metal deposition process.
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Fick’s laws (Zoski 2006) govern the diffusion of ions in the electrolysis pro-
cesses. In Fick’s first law, the steady-state diffusion flux is theoretically shown to be
proportional to the gradient of concentration. Fick’s second law is the basis for the
treatment of most time-dependent diffusion problems in electrochemistry. In Fick’s
first law (Eq. 18), the rate of diffusion is directly proportional to the concentration
of the dissolved substances, and the rate of diffusion in any given direction is
directly proportional to the rate at which the concentration diminishes in that
direction.

L _pcw-cojan (18)
dt
where dQ/dr = flux of the material per second per unit area, D = diffusion
coefficient, Cy, = concentration of ion studied in the bulk, C. = concentration of
ion studied at the electrode, dx = distance over which the concentration change
occurs, and (Cp, — C.)/dx = concentration gradient.

When the ionic concentration is reduced, the forces diffusing the ions to the
electrode become progressively less effective, and the diffusion layer becomes
more and more depleted of ions. Therefore, the maximum rate at which deposition
can occur progressively decreases along with the upper limit of current density,
which can be used.

Electrochemical Removal and Recovery of Metals

Electrochemical technologies widely used for toxic metal removal are
electrocoagulation (EC), electroflotation (EF), and electrodeposition (ED) (Fu and
Wang 2011). Electrochemical treatment is preferred if valuable metals are to be
recovered and returned to the production cycle. However, due to the low metal
concentration and the presence of various complexing materials in industrial
wastes, the task is not as easy as theoretically predicted.

EC and EF are utilized to remediate effluents containing both organic pollutants
and heavy metals; thus the principles of both methods are discussed in detail later in
sections below. Basically, EC involves the generation of coagulants in situ by
electrochemically dissociating Fe or Al anodes into electrolyte solution to coagu-
late with pollutants at appropriate conditions. EF is a solid/liquid separation process
that floats pollutants to the surface by bubbles of hydrogen and oxygen gases
generated from water electrolysis. Both techniques can help remove a number of
toxic heavy metals from effluents, e.g., Zn (II), Cu (II), Co (II), Ni (II), Ag (I), Cr
(III), and Cr (VI). Although heavy metals are removed, huge volumes of sludge
generated during the process require further chemical or physicochemical treat-
ments if metals are to be reclaimed. Valuable heavy metals, therefore, are poten-
tially lost in the process. Thus processes such as ED in which metals are reclaimed
on the electrode surface are more advantageous.
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ED is a clean and effective method usually applied to recover metals from
wastewater. It can be appropriately engineered and designed to suit different end-
of-industrial operations. Metals can be recovered on the cathode and directly reused
or returned to the commercial cycle by melting or dissolving as an anode in
electroplating (Issabayeva et al. 2006). Nevertheless, ED of metals from a dilute
stream (<1000 ppm), as mentioned previously, poses several major problems due
to low mass transfer. To improve the efficiency of ED of metals from low concen-
tration solutions, the required condition is J < Ji. Depleting all metal ions in the
bulk solution is a time-consuming process. The alternative approach is to increase
J1. by reducing the thickness of diffusion layer. This can be achieved by increasing
the mass transfer of ions either by increasing the movement of the metal ions
through agitation of the solution or by concentrating the ions in the vicinity of the
electrode surface. A number of electrolytic cell designs have been proposed to
enhance mass transfer within the cell, which involve agitation in combination with
a moderately high electrode surface area per unit electrode volume (Kammel 1984).
The agitation methods have involved rotating electrodes, mechanical stirring of
solution, air agitation, turbulence promoters, slurry, or fluidized bed agitation
(Grimm et al. 1998; Houghton and Kuhn 1974; Janssen and Koene 2002; Kammel
1984; Kim et al. 1998; Thilakavathi et al. 2012).

An extended surface electrolysis cell was developed by Robertson, with helix
sandwich electrode configuration named “Swiss roll” cell (Robertson and Ibl 1977;
Fig. 3a). Though good removal of heavy metals ions is achieved from dilute
solutions using this cell, claiming the recovered metals was a problem, which
required periodic stripping either by leaching the deposited metal in a proper acidic
solution or anode dissolution in electrochemical cell.

Agitation of electrolyte between the cathode surface and the solution was
employed in various cell designs, e.g., circulating the electrolyte using pumps or
by air injection, ultrasound, electrode rotation, or hydraulic agitation of
nonconductive particles in the space between the electrodes (Ota et al. 2014;
Zoski 2006). Promising metal recovery of various types was achieved by using
Chemilec cell, which is a fluidized bed cell with inert beads as the fluidizing
medium. In Chemilec cell (Fig. 3b), the concentration of metal ions increases in
the vicinity of the high surface area electrode due to the motion of the fluidized
beads and hence increases the recovery rate (Segundo et al. 2012). While some of
these cells can be effective in solutions of metal ion concentrations of ~50—-150 mg/
L (Ferreira 2008; Robertson and Ibl 1977), the performance is limited at the low end
and thus does not meet the discharge level, which is typically less than 5.0 ppm and
often below 1.0 ppm (Segundo et al. 2012).

The use of concentrator material is a useful in dealing with dilute solutions,
which has been described in our recent patent disclosure (Gunasekaran and Yasri
2016). Concentrator electrochemical technique (CET) is used to improve deposi-
tion by concentrating metal ions in the electrolyte in an area close to cathode
surface. This can be performed by housing a concentrator medium in close vicinity
of the cathode surface. Concentrator material (CM) should have a good affinity to
metal ions which effectively collects them from the bulk solution at active sites and
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then releases these ions near the cathode surface improving the condition of ion
transfer and ultimately increasing the deposition rate (Gunasekaran and Yasri
2016).

Figure 4a illustrates that the presence of CM reduces the effective distance of ion
transfer from “a” to “b,” creating a new cell with metal ions concentrated near the
electrode surface to increase the metal deposition efficiency (Gunasekaran and
Yasri 2016). Very rapid removal of toxic metals (i.e., Cd*", Cu®*", and Pb*")
from dilute solutions has been achieved using CM compared to that obtained
without CM (Yasri 2001).

CET can improve the process of removal and recovery of metals that can be
electrochemically deposited on cathode. However, there are exceptions. Some
metals such as Ti and Fe, which are very active metals, cannot be electroplated
on cathode from aqueous solutions. Smara et al. (Smara et al. 2007) described a
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Fig. 4 (a) Concentrator material placed near a cathode in an electrochemical cell acts as a
concentrating cathode and reduces the effective distance of ion transport from “a” to “b.” (b)
Schematic of a hybrid ion-exchange/electrodialysis cell (Adapted from Smara et al. 2007)

different CET, in which heavy metals are removed from dilute mixtures by a
hybrid ion-exchange/electrodialysis process. Toxic heavy metals such as Pb*",
Cu*", Zn>", and Cd*" were removed from dilute solutions to meet the discharge
limit by continuous electro-permutation combining ion-exchange resins and mem-
branes. Various types of CM such as activated carbon granules, activated carbon
cloth, modified graphite, or functionalized copolymers surface can be used, where the
choice depends mainly on the affinity of heavy metals to be treated toward the CM
and the presence of various organic complexes in the effluent (Yasri 2001). The
presence of organic species or complexes with metal ions may result in the alteration
of metal ion charge and formation of complexes or chelate, which have low or no
affinity to react or adsorb on the CM. Thus the presence of organic species may retard
the removal rate of metallic ions.

The most important advantage of using CET is that the process of metal removal
accompanies in situ regeneration of the CM within the system. Thus, during
electrolysis, reduction of metal ions and water occurs on the cathode surface
along with the oxidation of water and other anions at the anode. The electrolysis
of water releases H' ions and hydronium ions (H;0™) on the anode, which move
toward the cathode and bring about in situ regeneration of the CM. Thus the in situ
regeneration allows prolonged use of CM without the need for external chemical or
physical regeneration.

Electrochemical Approaches for Remediation of Organics

Biological treatment is the most popular and highly economical option for treating
effluents containing dissolved organics. However, bioremediation is mainly effec-
tive for organic molecules, which are biodigestible or biodegradable. When organic
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compounds are resistant to biological treatment, however, they will persist in the
environment, and in some cases the pollutants adversely affect the traditional
biological treatment by inhibiting the biological species. In such cases, effective
pretreatment should be considered prior to discharging off to the biological
treatment plant. For example, traditional biological inhibitors such as aromatic
phenolic compounds or basic heterocyclic aldehyde compounds (e.g., furfural,
hydroxymethylfurfural, etc.) are produced during natural hydrolysis of a wide
variety of plant materials containing polysaccharide or from industries, which
could find their way into the biological treatment plant. Although these compounds
are considered toxic to bacteria, they are very soluble and can form highly stable
soluble complexes with toxic heavy metals that make the solubilization and hence
mobilization of the metal pollutants possible. Evidence shows that underestimating
the aggregation of such materials in aqueous systems can adversely affect the health
of humans and the environment (Suanon et al. 2016).

A possible strategy to treat such pollutants is by detoxifying the unwanted
inhibitor products via a pretreatment, e.g., reduction with chemicals, photolytic
treatment, electrochemical treatment, etc. This will render the effluent bioavailable
for the subsequent traditional biological treatments. However, selectively
remediating one compound in a mixture is not an easy task, and other unwanted
by-products could be produced. Thus, a careful thought, analysis, and optimization
of the detoxification process coupled with subsequent biological treatment is
necessary to eliminate the adverse effects of by-products or to entirely remediate
the inhibitors.

Electrochemical treatment is often thought of as an elegant solution to remedi-
ation problems due to the ability to control the level of electron transfer of both
oxidation and reduction processes. Accordingly, various cell designs have been
used to remediate many toxic, biologically resistant, and inhibitor materials (Lee
et al. 2015). Thus electrochemistry could be considered in some cases as complete
treatment step and in others as a complement to other remediation processes (e.g.,
biological). For example, selective detoxification of organic compounds that act as
bio-inhibitors could be achieved in situ with biological treatment by either oxida-
tion or reduction in electrochemical cell (Cha and Choi 2015). During oxidation,
either the generated oxygen at the electrode interface or the electrode itself will
accept electrons from organic pollutants using electric energy, break gradually of
organic bonding, and form intermediates which differ in molecular shape from the
original (that are not recognizable by microorganism as the original inhibitor)
(Panizza and Cerisola 2009). During reduction, molecules, for example, microbi-
ological inhibitor “furfural” or “hydroxymethylfurfural,” gain electrons from the
electrode surface and reduce to the corresponding alcohol or other reduced
molecules that are not inhibitors. The process of electrochemical remediation is
highly dependent on the effluent conditions, concentration, and the presence of
other pollutants and the fate of end-of-pipe effluent for posttreatment. The electro-
chemical treatments suitable for organic remediation are (a) electrocoagulation,
(b) electro-oxidation, (c) electro-Fenton’s oxidation, (d) electroadsorption, and
(e) electro-biological oxidation.
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Electrocoagulation

Electrocoagulation (EC) is a technique rapidly growing area of wastewater
treatment that uses both principles of electrochemistry and coagulation. Coagula-
tion or flocculation is the process by which particles aggregate and precipitate from
colloidal suspension. These aggregation processes are alternative to chemical
precipitation for the removal of dissolved and suspended pollutants such as organics
or metals from aqueous solutions. Coagulation involves the reduction of electro-
static repulsive forces between the colloidal particles in the solution. It is different
from flocculation, which depends on the presence of bridging compounds to form
chemical bonding links between the colloidal particles and enmesh the particles in
relatively large masses called floc networks (Sahu et al. 2014).

In EC although both agglomeration processes of coagulation and flocculation
occur simultaneously, the process is named after coagulation. Generally, the pro-
cess of coagulation is enhanced by adding certain ions to solution to reduce the
electrostatic repulsion between particles to aggregate. Similarly, in EC the electric
current helps to reduce electrostatic repulsion, agglomerate organic constituents,
and other suspended solids in water. The agglomerated organics have the ability to
adsorb certain ionic constituents, making it possible to separate and remove floc-
culent with a majority of suspended organics and some ionic constituents. A
broader approach of electrocoagulation refers to an applied sufficient voltage to
sacrificial anodes, such as Fe or Al, allowing the oxidation of anode materials and
forming Fe or Al hydroxide flocculent (gelatinous metal hydroxides) within the
electrolyte, which can help settle colloidal particles or unwanted pollutant species
from the electrolyte (Khandegar and Saroha 2013; Mollah et al. 2001).

Principle

The hydrated metal ions at the anode, particularly those with a charge of +3 or
more, tend to act as Bronsted acids (lose H' ions from the water molecules bound to
them in aqueous solution, Egs. 19 and 20). The acidity of a metal ion increases with
charge and decreases with increasing radius.

Fe(H,0);" — Fe(H,0);OH>" + H" — Fe(H,0),(OH); + HY  (19)
Fe(HzO)g+ +3HCO; — Fe(OH)3(S> -+ 3CO; + 6H,0 (20)

The tendency of hydrated metal ions to behave as acids may have a profound
effect on the coagulation chemistry. Hydroxide, OH", bonded to a metal ion, may

function as a bridging group to join two or more metal hydroxides together allowing
a dehydration-dimerization process (Eq. 21).

2[Fe(H,0);0H] . [Fez(Hzo)S(OH)2]4+ + 2H,0 (21)
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Additional hydrogen ions may detach from water molecules in the dimers,
providing OH™ anion for further bonding and leading to the formation of polymeric
hydrolytic species. These types of polymers will continue to grow, forming colloi-
dal hydroxyl polymers that eventually precipitate due to gravity, which collectively
remove pollutants along within their pores. At the same time, during electrolysis,
water is also electrolyzed, producing small bubbles of oxygen at the anode and
hydrogen at the cathode. These bubbles attach to flocculated particles and make
them lighter and float them to the surface. Besides the coagulation and flocculation
processes, synthetic polyelectrolytes such as starch and cellulose derivatives, pro-
teinaceous materials, and gums composed of polysaccharides may be added to
stimulate coagulant aggregation. More recently, selected synthetic polymers,
including neutral polymers and anionic and cationic polyelectrolytes, that enhance
agglomeration have come into use (Sahu et al. 2014).

In the EC cell, as in any electrochemical cell, other reactions occur simulta-
neously with the aforementioned coagulation reactions, including cathodic reduc-
tion of reducible particles, anodic oxidation, and mass transfer of ions in solution,
which complicate the process and prevent the prediction of final products. These
make EC a complex synergistic process with several reactions and mechanisms
occurring simultaneously to remove pollutants.

Metals other than Fe and Al have a similar tendency to form polymeric species
with OH as a bridging group. These are Be(II), Bi(III), Ce(IV), Co(III), Cu(II), Ga
(1), Mo(V), Pb(I), Sc(I), Sn(IV), and U(VI). In commercial and practical EC
processes, however, anode materials preferably used are Fe and Al; this is due to the
wider pH range (~4 to 11) useful with these ions, reduced cost, and avoidance of
introducing environmentally unfriendly metal species into the end of the treatment
residues.

Apparatus

The basic EC apparatus consists of electrolysis chamber containing one or more
pairs of anode and cathode connected to an external power source (Fig. 5). The
design of the electrolysis chamber should expose the contaminated water to elec-
trolysis in batch or continuous system. The electrodes can be designed as plates,
perforated plates, or tubes to maximize the efficiency. The electrodes as mentioned
earlier could be composed of different materials; however, the most often used are
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Fig. 5 Schematic presentation of the electrocoagulation reactor. Gravity and floatation are the
driving forces for dewatering of the treated effluent

Al, Fe, or stainless steel. A series of electrolysis reaction chambers can be used each
with different electrode materials. The electric system, composed of control power
supply with typical direct current, is required, although using alternating current
technology may prevent the formation of an oxide layer on the anode. The effluent
then has to pass to a system to dewater the precipitated/coagulated solids. The
principle of dewatering system is to stimulate precipitation of floc/coagulant similar
to the settling tank used in conventional treatment plants.

The process optimization of the EC treatment typically includes the type of
sacrificial electrode material, distance between the electrodes, electrolyte pH,
applied current density, retention time (or reaction time) of the electrolyte, and
possible additives to stimulate coagulation or flocculation of particles.

The EC devices are engineered and marketed in various designs that range from
electrochemical cells containing simple set of anodes and cathodes to very complex
electrochemical assemblies. EC can be attached to an acquisition system to control
both the electrode potential and the process of anode scarification. Additionally, EC
can also be put in situ with decantation units for precipitate accumulation and
integrated with other utilities such as ultrasonic probe, ultraviolet light, or ozone
generator, thus achieving in situ so-called advance oxidation.

The EC technique has been extended using bipolar packed beds with metal rings
(Ogiitveren and Koparal 1992), beads (Jeong et al. 2012), or flat surface (Hu et al.
2008) as bipolar electrodes isolated from each other by electrolyte. The metal
bipolar electrodes have to be made of sacrificial metals applying the same principle
of the EC, e.g., steel, Fe, or Al can be used. A bipolar packed bed reactor is
particularly convenient in achieving high mass transfer because of the large elec-
trode surface area. This arrangement will greatly increase the rate of sacrificial
bipolar material to produce coagulant.
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Applicability

The EC technology may be effective in the near-neutral water, where
coprecipitation with Fe (or Al) hydroxide could remediate relatively clean water.
Potential applications of EC system may include pretreatment, or final stage for
effluent containing mainly colloidal particles, dissolved organic, suspended solids,
and heavy metals, e.g., a high-density sludge in domestic water treatment plant,
neutral tailing water in mining industries, and wastewater from food processing,
petroleum, oil-sands, and pulp and paper mill industries. However, posttreatment is
still required in some cases to final remediation and removal of coagulants formed.

Advantages and Limitations

The main advantage of using EC is its low capital cost, low energy consumption,
and minimum requirement of added chemicals, which lower the contamination of
the aggregate residues (except for coagulant materials used). The removed pollut-
ants, total dissolved solids, and suspended solids aggregate after treatment
(or concentrated) within the coagulants with no major alteration of their chemical
structure (except the partial oxidation of some organics due to reaction at the anode
surface). Thus, making the recovery of chemicals added from the precipitate after
treatment is possible. This is especially important when dealing with high-value
chemicals and critical metals or even to reuse the treated effluent.

One of the major limitations of EC, however, is that it can be barely selective for
removing a group of pollutants, e.g., heavy metal mixture could be removed
simultaneously with organic presences in solution. Other limitations include the
need for regularly replacing sacrificial anodes when used, limited efficiency of the
process for certain pollutants, and the need for additional control steps to enhance
conductivity and pH adjustment (Do and Chen 1994). For example, when the Fe/Al
anode of the EC system is oxidized in acidic conditions, no flocculent is formed
because Fe and Al are soluble below pH 3. Additionally, the main drawback of EC
system is the volume of accumulated precipitates that requires additional treatment
units to isolate and dewater the residues.

Electro-Fenton’s Oxidation

The Fenton’s process, originated by Henry John Horstman Fenton in the late
nineteenth century, indicates that highly reactive hydroxyl radicals are formed
during the reaction of hydrogen peroxide (H,O,) and ferrous (II) ions. Since this
finding, reagents involving both H,O, and Fe?" are named Fenton’s reagent;
however, the application of this as an oxidizing reagent was only realized in the
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late 1960s (Huang et al. 1993). During the process H,O, is dissociated and
consumed, whereas organic-enriched electrons are oxidized and ferrous ions cata-
lyze the process.

Principle of Fenton’s Reaction

The main principles of the Fenton’s reaction are the dissociation of the reagent H,O,
during the oxidation of Fe?t to Fe“, the formation of hydroxide anion (OH ™), and
the highly reactive hydroxyl radical (OH") (reaction 22), which attacks and destroys
organic pollutants.

Fe’" + H,0, — Fe’* + OH™ + OH" (22)

The ferrous ions (Fe>") in Fenton’s reagent act as catalyst to initiate the
decomposition of H,O; in chain reactions to generate hydroxyl radicals.

Similar to the coagulation process, Fenton’s reagent can be generated chemically
or electrochemically. Chemically, H,O, is spiked into a solution containing ferrous
ions, whereas, electrochemically, the hydroxide radicals are generated in situ within
the electrochemical cell. A simplified overall Fenton reaction (Eq. 23) suggests that
H" (acid environment) is needed for the decomposition of H,O, and to produce the
maximum amount of hydroxyl radicals (Walling 1975).

2Fe*" 4+ H,0, + 2H' — 2Fe*" + H,0 (23)

Fenton reaction is categorized as one of the advanced oxidation processes
(AOPs) (Oturan et al. 2011). The main function of AOPs is the generation of highly
reactive free radicals to break the backbone structure of organic pollutants. In
Fenton reaction, Fe*™ act as redox catalyst for OH" to break carbon-hydrogen
bond in organic molecules and initiate radical chain reactions. Although hydroxyl
radicals (HO") are unstable electrophiles that are effective in destroying organic
bonding, the process is very slow in the absence of Fe"; whereas, the reagent reacts
rapidly and non-selectively with nearly all electron-rich organic compounds in the
present of Fe?™ as catalyst (Wang and Xu 2011). Metal ions other than Fe, for
example, cobalt, manganese, and copper, have been used as catalyst to improve the
efficiency in Fenton reaction (Pimentel et al. 2008); however Fe?* is the most
effective when used at an optimal concentration of 0.1 M soluble FeSO,.

The process of generating radicals in Fenton reaction involves a complex
sequence of chain reactions in an aqueous solution. Investigation performed by
Barb et al. (1951) on the reactions of ferrous and ferric ions with H,O, suggested
that the free radical formation consists of the following chain reactions steps:

Fe’* + H,0, — Fe’* + OH™ + OH" (24)
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HO' + H,0, — HOO" + H,0 (25)
Fe*t + HOO® — Fe’t + HT + 0, (26)
Fe’* + HOO® — Fe** + HOO™ (27)
Fe’" + OH" — Fe’" + OH™ (28)

Equation 24 serves as a chain initiation step and Eqs. 27 and 28 as termination
steps, and the cycle in Egs. 24, 25, and 26 forms the oxidation and regeneration of
reagents steps (Neyens and Baeyens 2003). Although many evidences suggest the
involvement of hydroxyl radicals in the oxidation of various organic compounds
(Walling 1975), others claimed that the reaction between H,O, and Fe(II) produces
ferryl ion (Fe02+; an oxidizing Fe(IV) species) as an active intermediate species in
the Fenton chemistry (see Eqs. 29 and 30 (Deguillaume et al. 2005)). The presence
of ferryl ions suggests a non-radical oxidation reaction pathway of organic
substances.

Fe’t + H,0, — FeO*" 4+ H,0 (29)
FeO’" + H,0, — Fe*" + H,0 + 0, (30)

However, two reaction pathways for the first step in Fenton chemistry are a
radical pathway, which considers the production of OH" as a main radical and a
non-radical pathway to produce ferryl ions (Deguillaume et al. 2005).

Moreover, Fe (II) acts as catalyst, which means regeneration of ions should take
place during the process. Studies have shown that the reaction of H,O, with Fe?"
primarily leads to oxidation of Fe?" to ferric ions (Fe* "), which immediately forms
an Fe (II1)-hydroperoxy complex formulated as Fe"™(HO,)*" (Neyens and Baeyens
2003). A spectrophotometric study has confirmed that the formation of these
complexes is very fast that equilibria are attained within a few seconds after mixing
of Fe(IIT) and H,O, solutions (De Laat and Gallard 1999). Once formed, the Fe(III)-
hydroperoxy complexes are assumed to decompose to yield Fe*" and HOO':

Fe’* + H,0, — Fe"(HOO)*" + H* (31)
Fe''(HO0)*" — Fe** + HOO" (32)
The presence of both HOO" and Fe®" in solution leads to a series of chain

reactions involving various highly oxidizing free radicals and ions as noted in
reactions below:

Fe’™ + HOO® — Fe*™ + HOO™ (33)

Fe’* + HOO® — Fe’* + 0, + HY (34)
OH' 4 H,0, — H,0 + HOO" (35)
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Oxidation of organic molecules (RH) coexist in solution with Fenton reagent
will be initiated by attacking both OH" radicals and Fe ions to produce active
organic radicals (R"), charged organic species, and dimer species, those react to
cause further chemical decomposition of the organic compounds (Neyens and
Baeyens 2003).

OH' +RH — H,0 + R’ (36)
R 4 Fe**(Oxidising) — R + Fe?* (37)
R® + Fe?t (Reducing) — R™ + Fe* (38)

2R (Rimeriztion) — R — R (39)

Organic radicals (R") are very reactive species that simultaneously react in chain
reactions to produce spectra of various radical products that may be of higher
oxygen content of alkoxyl (RO"), alkylperoxyl (ROO"), or higher oxidation state.
The formed radicals react further causing chemical decomposition of organic
contaminant.

R’ + H,0, — ROH + OH" (40)
R’ + 0, — ROO" (41)

A mixture of original organic contaminant, free radicals, and ions will continue
to react in chain reactions. However, if the pH of the solution reaches a value from
3 to 7, Fe(Il) ions generated in the above redox reactions react with hydroxide ions
in a similar manner to those found in coagulation process, to form ferric-hydroxo
complexes according to Eq. 42.

2[Fe(H,0),0H] G [1:e2(H20)8(0H)2]‘H +2H,0 (42)

These complexes can be observed as small flocs during the Fenton oxidation step
that takes relatively a long time to complete (overnight). This observation may
account as a termination step and also for the coagulation capability of Fenton’s
reagent. Thus organic molecules may be captured within the flocs and account for
some chemical oxygen demand (COD) removal during the process.

Principle of Electro-Fenton Oxidation

The application of electrochemical field to Fenton process is more efficient than
that of Fenton’s reagent operated at the same conditions (Zhang et al. 2006). This
was attributed to the efficient cathodic regeneration of Fe’™ (Brillas et al. 2009).
Figure 6 depicts the typical interface reactions occurring at the electrode surfaces
during electro-Fenton oxidation (EFO). In EFO, however, highly reactive OH’
are generated in situ within the electrochemical cell, which helps the process
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Fig. 6 Schematic illustration of the major reactions occurring during the electro-Fenton process.
RH represents the organic pollutants, which undergo oxidation

in many ways, e.g., avoiding the transportation of H,O, reagent, controlling
the process of OH" production, and avoiding the storage of H,O, that leads to
partial loss of reagent activity. Moreover, in the EFO, Fe sulfate is added as a source
of Fe’" catalyst; however, to maintain the catalyst property of Fe*", the oxidized
form (Fe**) will be reduced at the cathode surface at relatively low reduction
potential (E = 0.77 V vs. standard hydrogen electrode, SHE) (Brillas et al. 2009).
Thus, the electrode surface will serve to add an extra step to accelerate the
production of OH" by increasing the speed of Fe*" production (see Eq. 24).

Categories of electro-Fenton process can be divided based on the process
operation and method of introducing the reagent into the reactor; i.e., reagent Fe*"
and H,O, are either added externally or generated in the electrochemical reactor
(Zhang et al. 2006). In the first case, Fe*" (or Fe’") are externally added whereas
H,0, is internally generated at the electrodes (see electrochemical production of
H,0, in the next section). In the second case both H,O, and Fe? " are generated
within the cell using a sacrificial Fe or steel anode. The third case involves external
simultaneous addition of both reagents (Fe ions either Fe?" or Fe** and H,0,) and is
known as Fere-Fenton method (Chou et al. 1999).

The kinetics of electro-Fenton oxidation process is presented in Eq. 43, and the
kinetics of organic decomposition is determined using Eq. 44:

RH + OH" — Oxidation products (43)
d[RH
AR _ K.s IRH][OH'] (#4)

where K, is the absolute rate constant of the reaction and [RH] and [OH’] the
concentration of organic and hydroxyl radicals, respectively.
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Considering, however, OH" are reactive species and their concentration never
accumulates in solution, they could be considered constant, and the kinetic rate of
reaction, therefore, is considered first order.

Electrochemical Production of H,0,

As mentioned previously, H,O, could be produced as a result of electrolysis at
certain conditions in aqueous media. We present a brief description of the possible
mechanism of H,O, production to give an overview of the electro-Fenton process.
For more details on the conditions required to produce stable H,O, with higher
yield, readers are referred to various articles in the literature (Brillas et al. 2009).
Basically, H,O, could be electrogenerated using parallel plates in an electrochem-
ical cell to reduce dissolved oxygen (DO) or sparged O, (or air) in acidic solutions
containing dilute supporting electrolyte (Qiang et al. 2002). DO is reduced in acidic
medium at the cathode surface to H,O, according to Eq. 45.

02 + 2HJr +2e — H202 (45)

In electro-Fenton, the in situ production of H,O, is a value-added process that
reduces the hazardous transportation of the material itself and avoids dissociation of
H,O, during storage. Electrochemical production of H,O, occurs at low potential
(E° = 0.44 V vs. SCE), in homogeneous environment, with divided or undivided
cells. In undivided electrochemical cell, the main competing reaction is the decom-
position of H,O, itself at the cathode surface to produce water molecules (Eq. 46).
Thus, the cathode material has a significant impact on the decomposition of H,O,,
which is attributed to the hydrogen overpotential of the cathode material. Reports
show that the decomposition rate of H,O, on graphite cathode in alkaline solutions
is less than on metal cathodes such as copper, stainless steel, lead, and nickel
(Sudoh et al. 1985). Graphite exhibits a high overpotential for H, evolution and
low catalytic activity for H,O, decomposition, along with relatively good stability,
conductivity, and chemical resistance.

H,0, + 2H' 4 2¢ — H,0 (46)

Though, the use of flow-type electrochemical cell system helps to avoid accu-
mulation of H>O, at the cathode surface (Eloy Isarain-Chavez et al. 2013). Thus
H,O, production from DO in flow-type system will serve the purpose for Fenton
process and can be carried out selectively in acidic medium.
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Advantages and Limitations of the Electro-Fenton Process

Unlike the Fenton, the electro-Fenton process is less expensive and less risky in
handling chemicals, especially for H,O, production, which could be generated in
situ. Additionally, the main advantage is the extra control parameter of the elec-
trode potential that allows controlling anode scarification, overall process degrada-
tion, and continuous regeneration of ferrous (II) catalyst at the cathode, which
advance the degradation rate of organic pollutants and minimize sludge production
(Nidheesh and Gandhimathi 2012). As compared with the Fenton process, the
electro-Fenton is highly efficient, with less sludge production; however, sludge is
still produced and dewatering of the end product precipitate is one of the
drawbacks.

Parameters limiting the operation of electro-Fenton process include the pH of the
effluent treated, rate of DO (or O, sparging), applied current, Fe>™ concentration,
H,0, concentration, electrode type, and cell design. Most of these parameters are
optimizable for the best efficiency and least cost.

The pH of the electrolyte solution is considered the most important factor for the
electro-Fenton process. Many interference reactions may occur due to variations in
the pH. For example, Fe species begin to precipitate as Fe(OH); at pH > 3 that
reduce the electro-Fenton and enhance removing pollutants via electrostatic attrac-
tion and coagulation (Mollah et al. 2001). However, researchers have reported that
at lower pH values, Fe ions form stable complex species with H,O,, which also
participates and inhibits the Fenton process (Wang et al. 2010c). However, pH 3 is
considered optimal for the Fenton (and electro-Fenton) process, which helps the
stability of oxonium ions (H305) according to Eq. 47; at this low pH decomposition
reaction may also take place according to Eq. 48.

H,0, + H* — 2H;07 (47)
H202 + 2H7L +2e” — 2H20 (48)

At higher pH (7.0<), however, H,O, rapidly decomposes to oxygen and water
(Wang and Lemley 2001). Though, according to many reports pH ~3.0 is the most
efficient for the electro-Fenton process (Brillas et al. 2009). But, considering the
fact that pH of treated wastewater is usually higher than 3.0, adjusting the optimal
pH to 3.0 is problematic and disadvantageous to the electro-Fenton process because
of the additional step of pH adjustment as well as the chemicals needed.

In contrast, during the in situ production of H,O,, oxygen is sparged into the
system (see electrochemical production of H,O,). Meaning that increasing the
oxygen sparging rate can increase the DO concentration and the mass transfer
rate of DO, hence increasing the production of H;O, (Wang et al. 2010c). There-
fore, the rate of DO or external O, supply to the system will have a profound effect
on the process (considering that there is no other external H,O, source to the
system). One of the important factors affecting the DO rate is temperature, i.e.,
the DO rate decreases with increasing temperature. Although some reports showed
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that increasing the temperature of operation will increase the generation rate of
oxidizing species (such as HO" or high-valence Fe species) (Sun et al. 2007), higher
temperature will also increase self-decomposition of H,O, (Ozcan et al. 2008), and
the optimum operating temperature is about 30 °C (Umar et al. 2010).

Moreover, the applied current can limit the electro-Fenton process, which even
provokes reverse reactions or competitive reactions such as hydrogen production at
the cathode and oxygen discharge at the anode. Accordingly, some studies have
indicated that the upper limit of current density in the electro-Fenton process is
about 6.4 A/m? and not exceeding 10 A/m? (Jiang and Zhang 2007).

Similarly, increasing the concentration of Fe*" in the electro-Fenton process will
enhance the consumption of HO® radicals according to termination reaction
(Eq. 28). Thus, increasing the Fe*" concentration may adversely affect the process.
Hence, the effects of both components of Fenton’s reagent (Fe’* and H,0,) are
closely linked, and the optimization experiments are usually performed on the basis
of their ratio ([Fe?"]/[H,0,]) (Brillas et al. 2009; Ting et al. 2009). Depending on
the persistence of the effluent to be treated, however, the level of [Fe”] in the
electro-Fenton process can range from 0.2 mM (Liu et al. 2007a) up to 2.0 mM
(Wang et al. 2010c) and not exceeding 15 mM (Wang et al. 2008). Whereas for
H,O, the initial concentration should range from 25 mM (Ting et al. 2009) up to
about 60 mM (Anotai et al. 2010).

Additionally, the feeding mode of H,O, has a profound effect on the treatment
process (Ting et al. 2009). H,O, could be fed to electro-Fenton cell in single
addition and in a timed sequence or, as discussed previously, produced in situ
electrochemically. When H,O, is added in one step or fed in quick sequence, its
initial concentration will be the highest during the reaction, which will unfavorably
affect the lifetime and the level of the produced hydroxyl radicals in the medium
that to be scavenged by the H,0, itself according to Eq. 50 (Zhang et al. 2007).

Fe’™ + HO® — Fe’™ + OH™ (49)
HO. + H202 — HOO. + HQO (50)

Considering the weaker oxidizing power of hydroperoxyl radical (HOO") and to
avoid the scavenging effect, sequential addition of H,O, or in situ production is
preferred.

Apparatus

The essential part of electro-Fenton reactors and the design of the apparatus are
mostly depending on the design of the electrolytic chamber and the type of the
electrodes housed in it. Several types of reactors have been utilized with various
designs to optimize the efficiency of the process and to assist the method of
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introducing the reagents into the reactor. Typical electrolytic reactors and
electrodes used for the process and found in the literature have been reviewed
and summarized by Brillas et al. (2009) and Nidheesh and Gandhimathi (2012).
Briefly, reactors used for electro-Fenton’s process are oxygen or air bubbling
reactor (Brillas and Casado 2002; Rosales et al. 2012; Rosales et al. 2009), divided
electrolytic chambers, or undivided electrolytic cell. On laboratory scale, air bub-
bling reactor with moderate volume (not exceeding 1.0 L) has been successfully
used to decolor dye and textile wastewater (Rosales et al. 2012; Rosales et al. 2009).
The reactor is usually designed to produce H,O, electrochemically via oxygen
reduction on the cathode. Therefore, continuous saturation of air at atmospheric
pressure is made by bubbling air near the cathode to insure a constant O, level in the
chamber. Similarly, diaphragm-divided or undivided electrolytic cells could be
utilized as an electro-Fenton reactor with in situ H,O, electrogenerated at the
cathode (or fed from external sources to catholyte chamber). Divided apparatus
usually consist of two half-cells (a cathodic compartment and an anodic compart-
ment), which are connected by a salt bridge or brought together with diaphragm or
membrane separator. The effluent is treated in the cathodic chamber in batches or as
continues flow. Electrolysis occurs under constant current conditions using a direct
current power supply between the cathode and the anode. Since the cathode
material highly influences process efficiency, it should be chosen to have low
interface oxygen overpotential to facilitate rapid production of hydroxyl radicals
simultaneously with the reduction of Fe (III) ions. Reaction at the cathode surface is
the key to the process that cathode is denoted, in some cases, as the working
electrode whereas the anode is denoted as a counter electrode. Various materials
or chemically modified surface of graphite, carbon, activated carbon, carbon
cloth, boron-doped diamond (BDD), Pt, or stainless steel are used as cathodes for
wastewater treatment (Nidheesh and Gandhimathi 2012). The use of different
composite cathode materials or surface-modified nanoparticles is emerging as
cathode materials for lower interface overpotential and enhances more uniform
current distribution at the electrode surface. These include chitosan (Li et al. 2009),
carbon nanotubes decorated nanoparticles (Ai et al. 2008), and graphene-based
nanocomposite (Le et al. 2015). On the other side, anodes are placed at an
appropriate distance away from the cathode, considering that the higher distance
between the electrodes leads to an increase in ohmic drop through the electrolyte
and then an equivalent increase in cell voltage and energy consumption. Addition-
ally, selection of unstable anode will cause deterioration of electrode in electrolytic
cells. Therefore, dissolution-resistant anode that is highly stable and unable to
electrolyze into solution is ideal for the process. The most stable anode for
electro-Fenton conditions is Pt; however, due to its high cost, materials such as
BDD, titanium coated with TiO,, IrO,/RuO,, IrO,/SnO,/Sb,0s, etc. are used.
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Electro-Oxidation

Electrochemical oxidation or “anodic oxidation” was introduced in the early 1970s
to destroy organic molecules and has been applied widely for the treatment of
wastewater from the textile and related industries. The technique is very effective in
color removal by breaking the conjugated bonds in dye molecules; during the
process colorless compounds are formed upon rupturing the dye molecule. It
means that the conjugated chromophore systems which give color to dye molecules
in some cases are easy to rupture, which points to the fact that the molecule is only
partially decomposed to colorless compounds. This was satisfactory to the textile
industries to meet with the public demands to reduce dye and color leached into the
wastewater system. Although this satisfies the requirement of decolorization, it is
unlikely that the method will lead to complete mineralization without going through
a series of organic intermediates. The degradation of dye molecules can result in the
formation of noncolored dye fragments and can result in the formation of environ-
mentally unfriendly degradation products such as aromatic amines and chloro-
organic compounds (Donaldson et al. 2002).

For anodic oxidation, an electrochemical cell requires a two-electrode system of
cathode and anode (mesh or plate). Multiple electrodes could be used; however, the
types of anode material and electrolyte have a great impact on the oxidation
mechanism, on the end products and the efficiency of the oxidation process. High
oxygen evolution, stable, non-sacrificial anodes are required for prolonged opera-
tion and to avoid electrode dissolution during electrolysis. On the other side of the
cell, depending on the application, cathode consisting of mild steel, titanium, or
graphite is widely used.

Generally, electrochemical oxidation takes place in an electrolyte that facilitates
transfer of ions between two electrodes. When conductivity of the effluent is low,
electrolyte should be added to increase the conductivity and to help generate free
radicals for the oxidation process to take place. In this process organic compounds
are oxidized effectively with little consumption of chemicals and with little or no
sludge production. Previous investigations have shown that salt (NaCl) is an
effective electrolyte for the electro-oxidation (EO) of organics from wastewater.

In EO, two mechanisms can be distinguished for remediation of organic pollut-
ants: (1) direct anodic oxidation that occurs at the electrode-solution interface and
(2) indirect anodic oxidation that occurs via surface active specious generated
continuously at the electrode surface and reacts within the electrolyte to convert
the carbon backbone structures of pollutant molecules to smaller fractions or
theoretically to carbon dioxide and water. Spontaneous direct and indirect mecha-
nisms could also occur during remediation.
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Direct Anodic Oxidation

In direct electrolysis, generally, at a specific electrode potential, the pollutants are
oxidized after adsorption at the electrode surface. The mechanism generally
involves the formation and adsorption of hydroxyl radicals at the anode surface
(M) (Eq. 51) (Guven et al. 2008), which enhances the participation of organic
pollutants (R) in direct electron transfer at the electrode surface and hence the
process of oxidation (Eq. 52).

H,O+M — M[OH'] + H' + e~ (51)
R+M[OH'| > M+RO+H" +e” (52)

The process is known as catalytic electrode oxidation, and a specific potential is
required to allow oxidation to occur that is called “catalytic oxidation potential”.
Depending on the anode surface material and its electrocatalytic activity, oxidation
is theoretically possible at a potential lower than the oxygen overpotential
(no oxygen evolution). Oxygen is transferred from water to the organic pollutant
with the aid of electric energy at the anode surface interface. In this reaction, water
is the source of oxygen atoms for the oxidation of organic molecules to form ideally
an oxidized form of the molecules at the anode.

Traditionally, noble metals such as Pt and palladium, as well as metal oxide-
coated anodes, e.g., iridium dioxide, ruthenium-titanium dioxide, iridium-titanium
dioxide, and lead dioxide, possess high oxygen overpotential and are good catalysts
to use as anode for direct anodic oxidation. Recently, metal nanoparticles (MNP)
and their derivatives have emerged as promising electrode materials for direct
electrochemical oxidation at fixed anodic potential due to their large surface-to-
volume ratio, biocompatibility, and low price. Popular MNP candidates for elec-
trode modification are cobalt (Co) (Yin et al. 2009), nickel (Ni) (Chauke et al.
2010), iron (Fe(ILIID)) (Yin et al. 2011), zinc (Zn) (Najafi et al. 2014), ruthenium
(Ru) (Li et al. 2010), and tungsten (W) (Peng et al. 2014). However, the main
problem of EO using MNP-modified electrodes is the inherent structure of these
materials and oxidation susceptibility of pollutant, leading to deactivation of MNP
and their derivatives, commonly called electrode poisoning effect, due to the high
affinity of MNP to adsorb pollutants forming of a polymer layer on the anode
surface (Jiao et al. 2014). Thus deactivation is less pronounced with weaker
adsorption properties or inert surface such as BDD (Panizza and Cerisola 2009).

A promising new generation of electrodes modified with nanoparticles of non-
metallic, carbon-based backbone structure is under investigation for various
electrocatalytic oxidation purposes. Materials such as carbon nanotubes (Ruoff
and Lorents 1995), graphene (Geim and Novoselov 2007), graphene oxide (Dreyer
et al. 2010), and modified structure of these materials are widely investigated.
Typically, chemical reactions performed on organic molecules and surfaces have
been used as starting points for chemical functionalization of these carbon-based
nanomaterial structures. Specifically, changing the doping level with foreign atoms
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is an effective method to intrinsically modify the properties of pristine host mate-
rials (Lim et al. 2010). Among them, nitrogen doping plays a critical role in
regulating the electronic (Wang et al. 2010e) and the catalytic properties of the
modified electrode (Yasri et al. 2014, Yasri et al. 2015a). The heteroatoms present
in the graphitic framework make these catalysts nonelectron neutral, favor the
molecular adsorption and consequently enhance specific redox reactions at the
electrode interface (Liang et al. 2012). Doped carbon-based backbone structures
find wide applications as metal-free, cost-effective electrodes for highly efficient
electrochemical catalytic oxidation.

Indirect Electro-Oxidation

Indirect EO involves attacking the pollutant molecules within the bulk solution by
several oxidizing species formed under the electrolysis conditions at sufficient
applied potential (Israilides et al. 1997; Kim et al. 2002b). It can be performed at
overpotential exceeding the value of oxygen evolution, so that water discharges at
the electrode, forming free radicals during the process of oxygen evolution that
ideally oxidizes organic pollutants to release CO, at the anode and discharge
protons. However, when no electrolyte is present, current efficiency is reduced
due to oxygen evolution at the electrode surface. On the other hand, the idea of
indirect EO is to oxidize pollutants in a sustainable manner; thus avoiding high
overpotential is preferred to prevent electrode fouling. Attempt is usually made to
facilitate indirect electron transfer between anode surface and pollutants by elec-
trochemically generating redox reagents at low potential; these materials act as
electron shuttle or mediator between the electrode and the organic pollutants.
Generally, electrolytes act as mediators or redox catalyst in the reaction media
enhancing the destruction efficiency of pollutants (Panizza and Cerisola 2009). In
this case, if electrolyte is present, various species and radicals may be formed to
attack organics spontaneously. Hence the type of oxidation products and interme-
diates would highly depend on the type of electrolyte present. For example,
oxidizing species could be formed upon anodic reaction, e.g., active chlorine,
ozone, and persulfates, or at cathodic reaction, e.g., hydrogen peroxide. If chlorine
is in the solution, species such as Cl,, CI', C10~, ClO,, Cl, ~, O3, OH’, O, H,0»,
0,, H,, and CO, can be formed in the electrolyte (Donaldson et al. 2002; Israilides
et al. 1997; Park et al. 2009). In these cases, highly tolerant electrode should be
used, to prevent fouling of the electrode or polymer formation at the electrode
surface. Though, active radicals and ions present within the medium may integrate
into the system to react with organic pollutants. For instance, considering a basic
scenario when electrolyzing solution containing chloride ions (CI ™), this will result
in the formation of Cl, as well as hydronium ions (H;0™) at the anode surface, and
at the same time water molecules are hydrolyzed at the cathode surface to form
hydroxyl ions (OH ™). Chlorine will participate indirectly in anodic oxidation by
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forming hypochlorite ions (C10™) in alkaline medium (Eq. 53) and chlorite (C10, ")
and chlorate (C1O5 ™) ions (Eqgs. 54 and 55) in stronger alkaline medium (Fernandes
et al. 2004).

Cl, + 20H™ — CIO™ + H,0 + CI- (53)
ClO™ +20H— — ClO,™ + H,O + 2" (54)
ClO,™ +20H™ — ClO;™ + H,0 +2e” (55)

Ions and radicals formed at the electrode surfaces are free to move within the
electrolyte and react with organics to produce intermediates during the process. The
potentials of various species to react with pollutants and to form intermediates are
strongly dependent on the pH, the initial electrolyte concentration, the pollutant, the
electrode type and the solution medium (Al-Haq and Gomez-Lopez 2012; Panizza
and Cerisola 2009).

Numerous researchers have studied the mechanism of anodic oxidation and the
possible intermediate products. For instance, dyes such as blue 2 K decolorized
during anodic oxidation due to the breakdown of diazo conjugated bonding
according to Eq. 56 (Naumczyk et al. 1996).

S0,Na SO;Na
H
—_— + + N,
SO;Na SO;Na’

(56)

It has been also reported that in the presence of salt NaCl as electrolyte, there is
evidence for the formation of chlorinated organic products (Naumczyk et al. 1996).
For example, dyes such as light orange 6 and methylene blue are oxidized in the
presence of hypochlorite or in electrochemical reactor to form various fragments
containing chlorine in their structure (see Eq. 57 (Naumczyk et al. 1996) and
scheme in Fig. 7 (Donaldson et al. 2002; Yasri 2001)):

OH
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SO,Nd
SO;Na

(57)

Since these intermediates, and particularly the chlorinated compounds, may be
more harmful to the aqueous environment than the organic molecules from which
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Fig. 7 Intermediate (I-V) formed during the electrochemical oxidation of methylene blue in
chlorinated medium (From Donaldson et al. (2002) and Yasri (2001))

they are formed, it is necessary to set additional process to eliminate the discharge
of hazardous products to waste stream. In this aspect we and others have shown
such chlorinated intermediates can be effectively eliminated (Cong and Wu 2007;
Yasri 2001) if subjected to further activated carbon polishing (Rajkumar and
Palanivelu 2004) or electroadsorption treatment (Yasri et al. 2015b).

Electrochemical System for Electro-Oxidation

Due to the wide range and diverse features of industrial wastes and conditions that
usually contain a mixture of organic and inorganic compounds, no common EO
reactor is in use. Process optimization is achieved by the nature and structure of the



42 N.G. Yasri and S. Gunasekaran

electrode material, experimental conditions, and electrolyte composition. Hence,
no single end-of-pipe reactor design is suitable for all EO applications. The most
important part in EO apparatus are the electrodes that serve as catalyst for the
oxidation reaction. To high destruction efficiency, many different electrodes (espe-
cially anodes) have been investigated for their direct and/or indirect EO ability. In
practice, however, most anodes are capable of both direct and indirect EO, i.e., by
applying high overvoltage; both reactions could occur simultaneously to participate
in organic oxidation and oxygen evolution reactions.

There are numerous electrode types for remediating various pollutants
(Martinez-Huitle and Ferro 2006; Panizza and Cerisola 2009; Wu et al. 2014).
Among these Pt is considered as ideal anode for EO of various pollutants, e.g.,
phenol, chlorophenols, glucose, benzene, hydroxybenzoic acid, methanol and
formic acid, synthetic dyes, herbicides, and naphthalene-sulfonic acids (Panizza
and Cerisola 2009). Pt electrodes are commonly known as dimensionally stable
anodes (DSA) as they are highly stable under relatively high applied voltage, inert
to many chemical reactions, and have low hydrogen and oxygen overpotentials, i.e.,
hydrogen is oxidized and protons are reduced readily at the Pt surface in aqueous
solution. In practice, however, since the cost of Pt electrodes is high, industries
prefer to replace it with other type of DSAs.

Electrodes of pristine metal (M) coated with metal oxide (MO) such as ruthe-
nium oxide (RuO,), iridium oxide (IrO,), tin oxide (SnO,), antimony pentoxide
(Sb,05), lead dioxide (PbO,), or mixed metal oxides (that contain more than one
metal oxide) find their application as DSAs with practical oxidation efficiency. The
pristine electrodes usually are of nontoxic, rigid, easy to fabricate metals such as
titanium (T1) or tin (Sn) and Ti being the most popular due to its physical properties,
e.g., low density, easy machinability, high anticorrosion, and relatively low cost.
Pristine Pb electrode coated with PbO, (Pb/PbO,) has been tested for EO of
organics and considered as a stable anode material, relatively inexpensive and
effective in oxidizing pollutants. However, the high toxicity of Pb, its propensity
for electrochemical corrosion, and the need to avoid Pb contamination due to the
release of Pb>" prevent the use of Pb/PbO, as a stable anode (Martinez-Huitle and
Ferro 2006).

Generally, metal oxides represent one of the most important categories of solid
catalysts due to their acid-base and redox properties, which are widely used as
active phases in either chemical or electrochemical reactions (Wu et al. 2014). The
use of metal oxide (or mixed metal oxide)-coated electrode (M/MO) enhances the
oxygen evolution reaction, allows the use of anode at fairly high potential, and due
to their surface properties increases the catalytic oxidation of organics (Wu et al.
2014). Moreover, mixed metal oxides may exhibit, in some cases, a significant
improvement in catalytic activity than their respective single-component metal
oxides, perhaps due to the increase in active acidic or basic sites or change in the
chemical states of the metal ions (Alaya and Rabah 2013). Electrodes coated with
metal oxides may be prepared by electrodeposition at the anode surface (anodiza-
tion) by applying electric potential to solution containing the desired metal
ions after adjusting pH suitably. Other appropriate surface-spreading methods,
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e.g., sol-gel, spin coating, chemical vapor deposition, or thermochemical
decomposition (Wu et al. 2014), are also used to prepare such electrodes.

The important fact in M/MO anode is that during the synthesis, metal oxides are
formed at the anode surface at applied potential by oxidizing the metal species
present in solution, so that increasing the applied potential to value exceeding the
synthesis potential will stabilize the MO on anode. This explains the stability
(un-deterioration) of metal oxide-coated anode when operating at high cell voltage
and can be categorized as DSA.

Titanium base metal coated with RuO, is usually a good catalyst when dealing
with solution containing chlorine and hence is utilized for chloralkali processing
(Panizza and Cerisola 2009). On the other hand, IrO,-coated Ti is a good electrode
for oxygen evolution and used for water electrolysis and metal electrowinning
(Kulandaisamy et al. 1997). Considering other types of coating, SnO, doped with
Sb or other entities such as Ar, B, Bi, F, Cl, P, etc. finds wide applications in
electrochemical oxidation. Chemically, SnO, is a semiconductor (n-type) with low
conductivity (Donaldson 2007); however, when SnO, is doped with an electron
donor or acceptor, the conductivity is highly improved. For example, electrode
coated with Sb-doped SnO, exhibits a good conductivity with oxygen overpotential
(1.9 V vs. SHE) that is slightly higher than that of Pt electrode (i.e., 1.6 V vs. SHE in
0.5 M H,SO,). This property makes Sb-doped SnO, attractive for anodic oxidation
of organics. Indeed, SnO,-Sb,0s-coated Ti electrode advanced Pt anode with
nearly fivefold higher in efficiency and completes remediation of a wide range of
organic compounds from wastewater (Ding et al. 2007; Stucki et al. 1991).
Although laboratory research documents the high advantage of Ti/SnO,-Sb,Os5
electrode, commercially it is unavailable due to the short service life (maximum
of 15 h) (Ding et al. 2007).

There is a growing interest in BDD as a new electrode material that has high
conductivity, which is commercially feasible at fairly reasonable cost (Panizza and
Cerisola 2009). The electrode is usually prepared from pristine conductive or
nonconductive materials such as Si, Ta, Nb, W, Mo, and glassy carbon
(Martinez-Huitle and Ferro 2006; Panizza and Cerisola 2009). The pristine material
is coated with diamond by energy-assisted (plasma or hot filament) chemical vapor
deposition; it is made conductive by doping with various levels of boron atoms
(Scarsbrook et al. 2007). These types of electrodes possess (Fuchigami et al. 2014)
a wide potential window (~ 3.0 V between oxygen and hydrogen evolution),
stability in very aggressive media, and inert surface with low adsorption properties
of organic pollutants. Thus, BDD are widely used for near-complete remediation of
a wide range of organic pollutants in wastewater, e.g., textile dyes (Faouzi et al.
2007), bisphenol (Murugananthan et al. 2008), phenolic compounds (Iniesta et al.
2001; Morao et al. 2004), endocrine disruptor compounds (Yoshihara and
Murugananthan 2009), carboxylic acids (Gandini et al. 2000), benzoic acid
(Montilla et al. 2002), organic acids (Chailapakul et al. 2000), pharmaceutical
waste (Brillas et al. 2005; Murugananthan et al. 2010), surfactants (Panizza et al.
2005), and real wastewater (Zhu et al. 2009).
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Fig. 8 Schematic representation of electroadsorption (EA) unit. Under the applied electric field,
micro-anodes and micro-cathodes are established on adsorbent particles. The formation of numer-
ous microelectrolytic cells enhances simultaneous oxidation, adsorption, and regeneration
processes

Other anode materials widely employed for EO are carbon-based and graphite
electrodes, such as graphite rod, graphite felt, carbon cloth, carbon paper, granules,
and brushes. For graphite electrodes (sheets or rod), the current efficiency of anodic
oxidation is low (Martinez-Huitle and Ferro 2006). Increasing the applied potential is
accompanied by surface deterioration due to exfoliation of the surface particles
(to form partially oxidized graphene nanoparticles (Yasri et al. 2014)), which reduces
the lifetime and limits their application for anodic oxidation (Martinez-Huitle and
Ferro 2006). However, the use of these types of electrodes is preferred as they are
very cheap and possible to be fabricated with high porosity and large surface area and
can combine adsorption and electrochemical degradation of pollutants. Indeed, the
possible use of graphite material, especially of granule activated carbon as adsorbents
and at the same time in applied field as electrode oxidizers has widened the scope of
their applications in the so-called three-dimensional (3-D) electrode systems (Yasri
et al. 2015b). In 3-D electrode system, the graphite particles are filled in the
electrochemical system as in packed bed (see Fig. 8) or as fluidized bed to act as
electroadsorption (EA) cell.

Adsorption is commonly used to remove dilute toxicants from effluents. This is
done in an EA cell by means of adsorbent particles of activated carbon under an
applied electric filed. This system is not only helpful in enhancing the adsorption
property of the adsorbent but also in increasing oxidation via a mechanism that
involves creation of bipolar field on the adsorbent particles. Thus, the adsorbent
particles placed within the electric field form micro-anodes and micro-cathodes at
their two extremities. This essentially leads to the formation of a large number of
microelectrolytic cells. For example, when using activated carbon granules as
adsorbents, the graphite particles become such microelectrodes. The effective
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number of cells created will enhance the adsorption properties and at the same time
destroy pollutants (Zhang et al. 2013; Ding et al. 1987).

The use of such an EA system has been very effective in remediating organic
pollutants such as dyes (Yasri 2001). However, if the adsorption capacity of
pollutants on the activated carbon is already low because of the nature or the lack
of active sites on both of adsorbents and the adsorbed materials, the presence of
electric filed will not enhance greatly the capacity of adsorption. Thus treatment of
effluents using EA unit alone is likely not suitable for effective remediation.
Therefore, it is important to look for methods that can create active sites (Yasri
et al. 2015).

Bioelectrochemical Approaches for Organic Remediation

Energy generation from waste is one of the key sustainable technologies. Municipal
wastewaters may contain as much as tenfold the energy required for its treatment
(Fan et al. 2012). Energy from waste can be generated in various forms during
primary treatment, e.g., electricity, heat, or production of fuel. In biological treat-
ment, biotic entities digest soluble organic or inorganic entities from waste streams
to produce metabolism products such as alcohol, methane, or hydrogen. Electro-
chemical applications have utilized some of the natural bacterial processes for
energy conservation at electrodes in either or both anode and cathode compartments
for electron donors and acceptors, respectively (Rittmann 2008). Thus, these
devices transform chemical energy into electric energy via electrochemical reac-
tions involving microbes or enzymes. For example, dissimilatory Fe-reducing
bacteria (DMRB) (e.g., Shewanella and Geobacter) oxidize organics and transfer
electrons to anodes. The energy in the electrons can be utilized for electricity
generation in a microbial fuel cell (MFC) (Kato et al. 2012; Kim et al. 2002a) or
for hydrogen gas production in a microbial electrolysis cell (MEC) (Cheng and
Logan 2011). These systems contain an anode, a cathode, an electrolyte, and an
electric circuit; microbial growth at one or both electrodes is either separated into
two chambers or located in one (Fig. 9). The main difference between MFC and
MEC is a stand for adding a small amount of voltage (>0.2 V) in MEC to that
produced by bacteria at the anode to allow for the production of H, at cathode
surface. Also, the operational conditions at the cathode are different for MFC and
MEC. MFEC is usually operated with an excess of dissolved O,, whereas for MEC
the condition should be optimized for cathode system to allow the promotion of H,
production. Both systems hold the same anodic principles, i.e., the microbes grow
at the anode surface, degrade organic and/or inorganic substrates via their metab-
olisms, to produce electric power in MFCs (Fig. 9a) or as electron source to produce
hydrogen in MECs (Fig. 9b).

Hydrogen is widely considered as imperative in building a sustainable energy
future as it does not release any greenhouse gases upon combustion (Edwards et al.
2007). Thus, MEC is considered a new sustainable development for hydrogen
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Fig. 9 Schematic diagrams of (a) MEC and (b) MFC systems consisting of two-compartment
cells of anolyte and catholyte separated by cation exchange membrane (CEM). MEC produces H,
by combining substrate utilization reaction at the anode by anodic respiring bacteria under small
applied potential, and MFC produces electric current by combining two half-cell reactions of
substrate utilization on the anode and oxygen reduction at the cathode
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production (Cheng and Logan 2007a) that utilizes waste as a source of feed to
various types of biomass (Wang and Ren 2013). The growth of anodic respiring
bacteria (ARB) forming an exoelectrogen biofilm on anode as the main part of
MEC to remediate organic waste releases protons to the anolyte medium and
donates electrons to anode (Fig. 9a). The electrons flow toward the cathode,
combine with protons, and release H, if only enough energy is provided to
overcome the endothermic energy barrier of hydrogen overvoltage.

Theoretically, the maximum yield for complete oxidation of 1 mole glucose is
12 moles of H, (Eq. 58). For comparison, in the fermentation process, however, a
1 mole of glucose will produce maximum 4 moles H; if acetate is formed (Eq. 59)
or 2 moles H; if butyrate is formed (Eq. 60). Moreover, the oxidation of glucose and
its fermentation products of acetate and butyrate (Egs. 58, 61, and 62) are not
directly converted to H, without an external energy input (note that the free energy
values of reactions are not spontaneous under standard conditions). Therefore, the
use of MEC to oxidize these chemicals will theoretically provide the extra energy to
remediate waste and produce additional H,.

CeH1206 + 12H,0 — 6HCO; ~ + 6H" 4+ 12H, AG® = 432 kJ/mol (58)
C6H1206 + 4H20 — 2CHgCOOf + 2HCO@7 + 4HJr + 4H2 AGO

= —206.3kJ/mol (59)
CsH 2,06 + 2H,0 — 2CH3CH,CH,COO ™ +2HCO;~ + 3H*
+2H, AG®
= —256.8kJ/mol (60)

CH;COO™ +4H,0 — 2HCO;~ +H* +4H, AG® = +104.6kJ/mol  (61)

CH;3;CH,CH,COO™ + 10H,0 — 4HCO;~ +3H" + 10H, AG®
= 4257.3kJ/mol (62)

In MEC:s, although bacteria are the cornerstone entities to metabolize substrates
and provide energy, the system design, electrolyte properties, and anode and
cathode materials also influence the performance of the reactor. Thus, it is neces-
sary to optimize the MEC design and operating conditions to maximize H, pro-
duction and minimize cost. Various parameters affecting H, production rate and
bacteria enrichment for the better biofilm performance are briefly discussed herein.
Methods of various parameters calculation are also presented in [Box 2].

Box 2 Calculation of Yield and Efficiency of MEC System

For simplicity, the following calculations are based on acetate as substrate
(not complex) in the MEC system. A typical batch MEC system is shown in
Fig. 9a. The electrodes are powered at a specified voltage (not exceeding
1.0 V) using a direct current power supply, connecting in series through a
known resistor (Rg) with a data acquisition system to record the voltage drop

(continued)
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Box 2 (continued)

across the resistor. The outcome current is calculated applying Ohm’s law
(I = V/Rg), where V is the measured voltage drop across the resistor. The
generated biogases from MECs are usually collected using the water dis-
placement method, measuring the volume and determining the composition
by using a proper gas chromatograph analysis for hydrogen, methane, and
nitrogen (Yang et al. 2015). The H; yield is calculated based on molar ratio of
the actual hydrogen production to substrate utilized,

Yoo — 1Ha mol (hydrogen produced)
4 ns mol (Substrate consumed)

(63)
The moles of H, produced are given from the volume (mL) of actual
hydrogen production by applying ideal gas law;

_ Vu,P
" RT

N, (64)

where p (atm), T (K), and R the ideal gas constant (0.08206 L atm/K mol).

The number of moles of the substrate utilized (ng) is usually calculated
based on the soluble chemical oxygen demand (SCOD) consumed during the
cycle; e.g., in the following oxidation reaction of acetate substrate:

C,H40; + 20, — 2H,0 + 2CO, (65)
__ ASCOD (mg) . 8
~ 2x32(02) " 1000

ng(mol) (66)

where ASCOD (mg) is SCOD consumed during the cycle; 32 is the molecular
weight of oxygen.

Considering that the theoretical maximal production of H, from acetate is
4 moles,

CH3COOH + 2H,0 = 4H, + 2CO, (67)

The overall H, recovery (Ry,, %) is calculated as a ratio of actual amount
of hydrogen produced to the theoretical amount of hydrogen that should be
produced by the same amount of substrate:

ny, (mol)
1, (mol)

Ru, (%) = (68)

(continued)
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Box 2 (continued)
2ASCOD (mg) g
= 4dpn, = X 69
it = =0 32 (0,) 1000 (69)

On the other hand, ideally the fraction of electrons recovered as current is
released at the cathode surface as hydrogen. Thus, identifying the coulombic
efficiency (CE) would represent fraction of electrons, which is recovered as
current versus that in the starting organic matter. Accordingly, CE is calcu-
lated from the theoretical maximal production of H, (ny) and the current
recovery over time using Eqs. 70 and 71.

__nce

CE—— 70
-~ (70)
ftt_o Ioodt
— J=y - 1
neE oF (71)

where ncg (mol) is the number of moles of hydrogen that could be recovered
based on measured current and found by calculating the area under the curve
of current density versus time throughout the reaction period, g, (mol) is the
number of moles of hydrogen theoretically produced from ASCOD con-
sumed, dr is time interval (s), 2 in the Eq. 71 is the number of electrons
used to convert hydrogen charge 2H' = 2e~ — Hs), and Iy is the average
current (A) recorded over time (f) and converted to cover the 90% of the
charge accumulation. The use of g, is more accurate when analyzing MEC
performance in a batch process because it eliminates small current densities at
the end of the cycle and focuses on the most useful part of the current
generation cycle (Ivanov et al. 2013).

The cathodic hydrogen recovery (r,,) is indicative of the number of moles
of hydrogen recovered at the cathode compared to the moles that theoretically
could have been produced from the current and is calculated using Eq. 72.

ny,

(72)

Icat =
Nncg

Volumetric hydrogen production rate (HPR) (m®> Hy/m>/d) should be
normalized to the cathode liquid volume.

Calculation of Energy Recovery

The energy content of the amount of hydrogen recovered is compared with
energy input. The source of energy input to the system is based on (i) the
external electric energy input (77g), (ii) energy input from the substrate (1),
and (iii) energy input in both electricity and substrate (yE + S).

49

(continued)
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Box 2 (continued)

The energy recovery based on external electric energy input is calculated
from Eq. 73:

—Why,
=——— 73
Mg W (73)
where Wy, (J) is the energy content of the hydrogen and W;;, (J) is the energy
input to the system. Whereas, the energy content of hydrogen is calculated
from heat of enthalpy (AHy,) (Eq. 74):

Wy, = nn, AHy, (74)

where ny, (mol) is the number of moles of H, produced and AHy, = —285
kJ/mol is heat of enthalpy of H,.

The energy input to the system (Wy,, J) is equal to the total energy input
(Wps, J) subtracted from the energy loss on the external resistor (Wg, J) (see
Egs. 75 and 76).

Win = Wps — Wr (75)

t
Wi, = / (IEps — IPRey ) dt (76)
t=0

where R., the external resistor (€2), I (A) the current based on voltage drop
measured across the external resistor, Epg (V) the applied voltage of the
power source, and dz (s) the time interval.

Energy recovery based on both the energy input and the energy in the sub-
strate is calculated from Eq. 77.

—Wh,

Ne+s = fws (77)

where Wy (J) is the amount of energy added by substrate, and given in Eq. 78;
Ws = Nng AH S (78)

where ng (mol) is the number of moles of substrate consumed during a batch
cycle and AHg the heat of enthalpy of the substrate (AH acetare = —874.3 kJ/
mol).

(continued)
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Box 2 (continued)

Biomass Distribution Analysis
To estimate the COD distribution in MEC systems, we assume that the
only COD sinks are the production of gases and biomass (suspended,

attached, and produced). Thus, the following overall mass balance equation
should be established:

CODinitial = CODHZ aF CODbiomass,sus a4 CODbiomass,alt a4 CODﬁnal (79)

where COD;;i41 18 the initial COD in the anode chamber, CODy;, is the COD
equivalent of hydrogen gas production during the studied cycle, CODy;omass,
sus 1S the COD for suspended biomass net accumulation over the incubation
time in the anode chamber, CODpiomass ate 1S the COD for attached biomass
accumulated on the anode material over the cycle period, and CODg,,, is the
SCOD in the anode chamber at the end of the studied cycle.

According to the mass balance (Eq. 79), the only unknown COD sink is the
attached biomass (CODpiomass att), Whereas CODy;omass sus €an be determined
according to Eq. 80, and the CODyy; is calculated via Eq. 81 (Lee et al. 2008),
i.e., each 1 mL of H, produced is equivalent to 0.654 mg COD (at 25 °C), and
considering the fact that gas produced out of the cathode chamber is almost
pure H, without any methane,

CODbiomass,sus = (TCOD - SCOD)ﬁnal — (TCOD — SCOD)initial (80)
1 mmol H, 273.15K 2meqe~ 8 mg COD
1 mL H; =
22.4mL 298.15K mmol H, meqe- (81)

= 0.654 mg COD

Exoelectrogenic Microorganisms

Microorganisms that can directly transfer electrons outside the cell to the electron
acceptor (anode) without the need for exogenous mediators are known as
exoelectrogens. These microorganisms are usually grown in anaerobic condition
on anode surface as electron acceptor and utilize organics present in the effluent as
electron donor. Electrochemical gradients are the backbone of basic cellular func-
tions, including chemosmotic transport and ATP synthesis (Amit Kumar et al.
2012). The mechanisms of extracellular electron transfer have been proposed in
three pathways: (i) through direct electron transfer through microbial outer mem-
brane cytochromes; (ii) by electron shuttle molecules, mediated by the grown
biofilm; and (iii) via a solid conductive protein produced by bacteria and shaped
like nanowires or pili (Amit Kumar et al. 2012; Logan 2009a; Lovley 2008; Torres
et al. 2010). Extracellular electron transfer mechanisms are not mutually exclusive
within a species nor in one pathway. For example, Shewanella oneidensis can
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transfer electrons via methods producing riboflavins that can function as electron
shuttle. Geobacter sulfurreducens also has an outer membrane cytochrome and can
produce nanowires that can conduct electrons through a 50-pm thick anodic biofilm
(Nevin et al. 2008) but does not produce flavins or other mediators (i.e., pyocyanin,
melanin, or quinones).

The analyte chamber in MEC operates in anoxic environment, which promotes
the growth of anaerobic bacteria; however, the type of dominant entities enriched
from activated sludge from wastewater treatment plant contains mixed culture
inocula, which are strongly affected by the feeding substrate present in the electro-
lyte solution (effluent type). For example, Pelobacter propionicus and Geobacter
are dominant in MECs fed with phosphate buffer solution and acetate as the
substrate (Chae et al. 2008). Shewanella and Pseudomonas were the dominant
bacteria in the two-chamber MEC with acetate as the substrate and carbonate buffer
and sewage sludge as the inoculum (Liu et al. 2007b). Pelobacter is the dominant
bacteria in the suspension and anodic fractions of an ethanol-fed MEC inoculated
with sludge (Parameswaran et al. 2010).

Anode System

Continuous development of anodes for beneficial microbial attachment and sub-
strate utilization in MEC system is critical for better performance of MECs
(Baudler et al. 2015; Wagner et al. 2012). Important factors affecting the immobi-
lization of biological entities in MECs are the type of anode materials and their
configuration (He et al. 2015). Immobilization in biological system is generally
defined as the physical confinement or localization of viable cells including
enzymes, cellular organelles, animal and plant cells to a certain supporting region
for biocatalytic purposes. Immobilization is performed to limit free transportation
of biota while retaining their catalytic activities, which differ from those of the
surrounding environment.

Generally, microbial cell immobilization (MCI) on supporting region is catego-
rized as (i) passive, using the natural tendency of microorganisms to attach and
grow on natural or synthetic surfaces, and (ii) active, with the help of flocculating
agents, chemical attachment, and gel encapsulation. In both the selection of the
support material is crucial. For wastewater treatment, support materials should meet
the criteria of insolubility, nonbiodegradability, nontoxicity, simplicity of immobi-
lization procedure with high retention to specific organisms, and preferably low
cost. Other physical characteristics such as material high porosity, non-swelling,
and compressible are also of concern.

Conductive carbonaceous materials are favored for anodic MCI (Logan 2010;
Logan et al. 2008), and the choice of these materials for cultivating ARB is always
related to their conductivity, chemical stability, adsorptive capacity, porosity, and
high surface area (Logan 2010; Logan et al. 2008). Carbonaceous fabric anodes that
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are usually utilized in MEC are carbon cloth, carbon fiber, carbon felt, carbon mesh,
carbon paper, and granular carbon (Logan 2009b).

Increasing the surface area enhances the performance of the reactor by increas-
ing the volume of the biofilm and hence the ARB reactive sites. For example, Yasri
and Nakhla (2017) found that filling the anode chamber with granular activated
carbon increases the efficiency and the corresponding H, conversion rate. However,
this improvement is still limited considering the faster H, production rate achieved
in some biological system, i.e., dark fermentation (Lee et al. 2010). Thus, effort was
made to favor adhesion of microorganisms to positively charged anode by treating
anode surface with ammonia at a high temperature (700 °C, 5% ammonia gas for
1 h), which results in faster startup of H, production (Cheng and Logan 2007b).
Several similar methodologies such as surface pretreatment of carbon cloth anode
(or carbon mesh as a cheaper alternative) with aqueous ammonia, phosphate buffer,
metal doping (Yasri & Nakhla 2017), or nitric acid have been investigated (Zhang
et al. 2014b). Moderate to slight increase in anode performance was attributed to the
enhancement of electron transfer and better MCI on the anode surface (Zhang et al.
2014b). Factors affecting the MCI conditions at the anode, such as applied voltage,
electrolyte conductivity, electrode arrangement, pH, substrate types, and electrode
porosity, have been extensively studied (Wang et al. 2010b).

The effect of applied voltage on the MEC system performance was inconclusive.
Commault et al. (2013) noted an influence of different anode potentials on the type
of Geobacter strains grown in MECs (Commault et al. 2013), i.e., different strains
will grow from mixed culture inoculum at different potentials. However, Logan
et al. (Zhu et al. 2014) suggested that the same exoelectrogenic communities self-
regulate their exocellular electron transfer pathways to adapt to different anode
potentials. To understand the effect of potential, the voltammograms obtained from
grown biofilm have to be analyzed to answer the question, how different sets of
potentials affect the performance of the bioelectrochemical system?

The porosity of the anode surface represents also an impotent factor to improve
the mass and charge transport limitations of the electrolyte, which highly influence
the performance of bioelectrochemical systems (Dhand et al. 2014; Sleutels et al.
2009, 2011). Increasing the porosity will increase the surface area of the biofilm on
the interface and hence increase the active reaction sites (Dhand et al. 2014).
Reports indicate that increasing porosity as well as conductivity of the electrode
can be achieved by modifying the anode surface with various nanoparticles
such as Fe (Xu et al. 2012) or conductive polymer such as poly
(3,4-ethylenedioxythiophene) (PEDOT) (Liu et al. 2015). The role of varying the
porosity or conductivity of anodes using Fe nanoparticles or sulfur-containing
chemical (such as PEDOT) is not clearly understood. For example, it has been
reported that the conductivity of the electrolyte in the anolyte chamber has a
significant effect on the performance of ARB (Lacroix et al. 2014; Rousseau
et al. 2013) and that the H, increased from 0.13 to 0.82 m’ HQ/m3 per day when
the electrolyte conductivity increased from 7.5 to 15 mS/cm (Verea et al. 2014).
This phenomenon was related to an increase in electron-shuttling effect between
the biofilm and the electrode surface, which reduces the inner resistance
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(Lacroix et al. 2014; Rousseau et al. 2013; Verea et al. 2014). However, the
conductive material may be a natural favorite to attract bacteria, and the enhance-
ment of ARB performance may be not due to their conductive properties. For
example, metal sulfides, especially those containing Fe, Ca, K, or Mg, play a
major role in microbial growth under anoxic and oxic conditions and are found at
the active centers of a wide variety of redox and catalytic species (Bertini et al.
1994; Lapinsonniere et al. 2012; Picot et al. 2011). These species include simple
soluble electron transfer mediators (e.g., Fe(I)/Fe(I1l), sulfate/sulfide redox couple
(Schroder 2007), Ca”" jons (Fitzgerald et al. 2013), membrane-bound components
of electron transfer chains, and some complex metalloenzymes (Amend et al. 2004;
Bertini et al. 1994; Ghasemi et al. 2013; Lapinsonniere et al. 2012; Lovley and
Phillips 1986; Schippers 2004; Weber et al. 2006). Despite the neutral attraction of
ARB to these materials, research emphasizes the importance of increasing conduc-
tivity of anode surface modification with suitable conductive chemicals to induce
cultivation of ARB, stimulate catabolism, conduct electrons, and consequently
improve current density (Baudler et al. 2015; Gnana Kumar et al. 2014; Kang
et al. 2015; Kato et al. 2012; Li et al. 2011; Luckarift et al. 2012; Tang et al. 2015;
Zhao et al. 2010). For example, Kang et al. (2015) observed superior biocatalytic
enhancement when PEDOT was coated on carbon felt anode and inoculated in an
effluent originating from palm oil mill waste to catalyze acetate oxidation.
Although PEDOT, which was used for anode modification, contain element sulfur
that may stimulate bacterial growth, the enhancement was attributed to the better
conductivity of the modifying material. The unanswered question is whether the
improvement in the performance of MEC system is due to surface conductivity or
due to the attraction of bacteria to attach to trace element present in the electrode.

On the other hand, the anode arrangement can be considered as an effective
parameter to reduce the inner resistance (Li et al. 2014). For example, Liang et al.
(2011) separately placed two anodes, either on one side or both sides of cathode in
parallel within a membraneless MEC. They found that the MEC with anodes on
both sides of cathode improved current and H, production rate by 72% and 118%,
reaching 621.3 + 20.6 A/m? and 5.56 m® H,/m> per day, respectively.

The limitation of pH inside the anolyte compartment is an important factor
affecting current, bacterial growth, and electron transfer which is also tied to proton
transfer within the biofilm (Babauta et al. 2012b). Babauta et al. (2012b) confirmed
this effect and concluded that (a) pH can vary within the biofilm at different growth
phases, (b) pH is not always a limiting factor in a biofilm, and (c) biofilms respire in
a unique internal environment that variation of pH and redox potential are associ-
ated only with the biofilm.

Substrates are considered as the feed sources for ARB, existing in the effluent,
and are converted or oxidized within the MEC system. Kadier et al. (2014) have
reviewed the substrates used in MECs (ranging from simple to complex effluent
resulted from real wastewater, fermentable and non-fermentable organic materials),
their performance, and future potential usage for sustainable system. The substrates
discussed include from complex to simple sources such as molasses industrial
(methanol rich), food processing, winery, potato processing, dairy manure, refinery,
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swine, and domestic wastewater. Of these, the complex substrates help in
establishing a diverse and electrochemically active microbial community, while
simple substrates degrade easily and improve H, production rate.

Thus, although the microbe/electrode interactions stem from the abilities of
bacteria to extracellular electron transfer to solid metals as terminal electron
acceptors, electron transfer to electrodes does not necessarily share identical cellu-
lar components (Babauta et al. 2012a). Thus microbe/electrode interactions remain
enigmatic with both ecological and evolutionary origins. Further research is needed
to shed more light on these bioelectrochemical processes.

Cathode System

Hydrogen production in MEC occurs at the cathode surface, located in the catholyte
chamber and operated in air-saturated electrolyte. The hydrogen evolution reaction
(HER) on plain carbon electrodes is very slow and requires a high overvoltage
(—0.42 V) to drive H, production (Logan et al. 2008). To reduce the overvoltage
barrier, Pt is usually used as a catalyst. Pt-catalyzed electrodes are commercially
available and also are easily prepared by mixing commercially available Pt/carbon
powder with a chemical binder (Cheng et al. 2006). This forms a paste in which the
Pt loading can be varied by changing the mass of Pt in the paste.

Major disadvantages of using Pt are high cost and the possibility of being
poisoned by chemicals such as sulfide, which is a common constituent of waste-
water. Various other metals, alloys, modified electrode surfaces, or reducing
biofilms are used as alternative for Pt as cathode (Rozendal et al. 2008). Kundu
et al. (2013) reviewed the type of cathode material, catalysts, and modifications that
are suitable for H generation in microbial electrolysis cell. Among the materials
used, stainless steel, Ni alloys, Pd nanoparticles, and decorated cathode are very
good for H, evolution. Nevertheless, cost-effective catalysts are the key to success-
ful industrial application of MEC.

Unlike plain carbon materials, carbonaceous cathode doped with nanoparticles
containing, e.g., MoS,, has been reported effective and even competes with Pt
cathode (Hou et al. 2014; Tenca et al. 2013). Nevertheless, due to the toxicity of
most metal ions and for the purpose of keeping the MECs as environmentally friendly
technology, replacement with nonmetallic composition becomes advantageous.
Many successful applications have been reported using nanocomposites of carbona-
ceous materials doped with nitrogen (Zhang et al. 2014a), phosphate (Munoz et al.
2010), sulfur, or their mixtures (Ghasemi et al. 2013, Zheng et al. 2014).

Membrane

The use of membrane in MEC system is to separate anaerobic microbial condition
at the anode from aerobic condition at the cathode, to minimize H, losses, and to
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prevent mixing with CO, in the anode chamber. However, the presence of mem-
brane disadvantages the system by increasing potential losses and reducing energy
recovery associated with the resistance accompanied by its existence (Logan et al.
2008). Although membraneless system can be employed, research shows the
production of methane in combination with H, due to the growth of cathodic
reducing bacteria (methanogenic bacteria) that reduce of CO, according to Eq. 82
(Bajracharya et al. 2015).

8H' + CO, + 4e~ — CHy + 2H,0 (82)

Membranes used in MEC can be either CEMs or AEMs (Logan 2008). The use
of CEMs allows transportation of H' and other cations present in solution, such as
Na®, K", NH, ", Ca®", and Mg>", toward the catholyte chamber. However, typical
pH of wastewater and the inoculating medium of MECs is about neutral (pH ~7.0),
and the proton concentration is about 107 mM (Rozendal et al. 2007), which is far
less than the concentration of cation species other than protons in wastewater
(typically 4-5 orders of magnitude higher). As a result, electrodialysis of cation
mainly occurs in the MECs provided with CEM by the transport of cation species
other than protons through the membrane. The cation transportation to catholyte
chamber other than protons will therefore alter the anolyte medium surrounding the
bacteria, as well as create a pH difference (gradient) between the catholyte and the
anolyte chambers which will negatively affect the MEC performance by creating an
extra potential loss and competing reactions other than hydrogen evolution at the
cathode surface (Rozendal et al. 2007).

The utilization of AEM instead of CEM is useful in a sense that electrodialysis of
anion toward the anode from the cathode rather than the transport of cations from
the anode to the cathode will prevent the transportation of the other cation to the
catholyte chamber (Rozendal et al. 2007). The transport of hydroxide (OH ™) anion
toward the analyte chamber will leave behind hydronium (H;O™") ions that react at
the cathode surface to evolve hydrogen. The electrolysis of water (Eq. 83) at the
cathode will provide, in this case, the extra hydroxide ions that diffuse through
membrane via the effective ion transportation mechanism toward the anode that
equilibrates the exchange of charges and electrons in the system.

2H,0+2e” — 20H + H, (83)

Concept of MEC System

Understanding the principles and behavior of electrochemical interface reactions
between biotic entities in biofilm, substrate utilization, and abiotic surface phase of
electrode is important to continue advancements in MEC systems. Electrochemical
studies for MECs include voltammogram analysis of the interface reactions, per-
formance of the biofilm in both cathode and anode (Yoho et al. 2015), and
determination of the kinetic parameters of biofilm growth on electrodes.
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The correlation between current generation, ARB, and the electrode has been
well established, indicating that the electron generation is a consequence of bio-
catalytic substrate utilization to transfer via various extracellular electron transfer
(EET) to the final electrode port (Lovley 2008; Reguera et al. 2005; Richter et al.
2009). However, information about the interfacial anodic voltammogram at the
electrode-biofilm is limited. Generally, the kinetic response of electron shuttles at
the electrode interface (i.e., current density-voltage, J-V response) is defined by
mass-transport processes according to Butler-Volmer equation (Torres et al. 2008).
However, in the case of biofilm interface, the production of conductive matrices
(wiring within the biofilm), which is directly attached to the anode, will be
considered as an extension of the anode material, and thus the biofilm containing
a solid conductive matrix can be called a “biofilm anode” (Torres et al. 2008). The
bacterial kinetics and the J-V response model in this case will differ from Butler-
Volmer equation and that variance directly affected by the bacteria should be
considered.

Electrochemists commonly use Nernst model to describe redox potential as a
function of electron concentration at the electrode interface. Biologists, on the other
hand, use Monod kinetics to describe the dependence of biological growth on the
concentration of electron donor and acceptor (substrate) (Wang et al. 2010d).
Marcus et al. (Kato Marcus et al. 2007) combined the above two models and
proposed the Nernst-Monod model (Eq. 84) to describe the bacterial kinetics
under the influence of the anode potential E (V), where the reduction potential of
interface electron controls the bacterial donation activity, i.e., current exchange at
the interface.

The ideal electrode J-V representation for ARB influences electron shuttling
through self-produced mediators and is a sigmoidal-shape voltammogram
presented in Fig. 10a (Kato Marcus et al. 2007; Torres et al. 2008). An experimental
current response of the biofilm anode to potential at slow scan rate (1.0 mV s~ ') is
presented in Fig. 10b. Usually when applying a slow scan rate, the voltammogram
shows an ideal “steady state”; that is, the catalytic current does not depend on the
scan direction (Marsili et al. 2008) to allow ARB to reach a steady metabolic
condition at all potentials, i.e., reach a steady state. In bioelectrochemistry, the
low-scan cyclic voltammetry (LSCV) is a powerful technique, as it measures the
steady-state response of ARB as a function of the anode potential (Torres et al.
2010).

The main assumption for the use of the Nernst-Monod model is that microbial
kinetics controls the rate of current generation. This is usually performed by
evaluating the anode potential losses APL (#.,04e) in an ARB biofilm anode. The
APL (#an0qe) 1s defined as an electrocatalytic potential of active site as close as
possible to the redox potential of the substrate being oxidized. Characterizing these
potential losses is an important factor in the development of MFCs and MECs. The
main postulation of this hypothesis is that, lower APL will translate to a higher
catalytic current, higher energy output, and hence higher efficiency of the process.
Thus, the twofold task in optimizing MEC system is to produce a high current
density using minimum anode materials at a low anode potential (being as close as
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Fig. 10 Ideal plot of the
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possible to the redox potential of the substrate being oxidized). Thus, the practical
goal in MEC:s is to find an ARB community (or system) that can achieve both aims
by producing a high current density at a low anode potential (Torres et al. 2010).

1
J = Jimax 84
<1 —|—exp—1%(E—EKA)> (84)

where J = current density (A mfz); Jmax = maximum current density (A mfz);
R = ideal gas constant (8.3145 J mol ! K*I); F = Faraday constant (96,485
coulomb per mol 'e™'); T = temperature (303.15 K); and Ex, = potential at
which J = %2 Jax.

Figure 10b depicts an example LSCV curve produced with freshly formed ARB
biofilm producing maximum current density of about 0.15 A.m~ > (Torres et al.
2008). The voltage is scanned back and forth between —0.33 and +0.15 V vs. the
standard hydrogen electrode (SHE) at 1 mVs™'. The forward and backward curves
are similar to each other, indicating steady-state conditions that are not affected by
the scanning direction. 7,04 can be measured from this curve by calculating Eyonor
(for acetate as electron donor in this case, E,.,.= —0.285 vs. SHE). At
Eanode = Egonor, ARB cannot gain any energy-transferring electrons to the anode;
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Fig. 11 Two consecutive cyclic voltammograms of Geoalkalibacter subterraneus inoculated in
Fe(IlI)-containing cultures, recorded at 1 mV s~ ! after day 7 of biofilm growth (a) (Adapted from
Badalamenti et al. 2013). Derivative CVs suggest multiple electron transport pathways pointed out
by arrows, and dashed lines represent Nernst-Monod fit (b) (Adapted from Yasri and Nakhla
2016)

therefore, / = 0. As E,,,qe becomes more positive, the ARB metabolic rate
increases (indicated by the increase in J) until saturation.

The Nernst-Monod equation is proved to be a good model to describe the
kinetics of bioelectric current that generates from pure bacterium culture and
electron-shuttling pathways. However, in the real experimental situation when
mixed culture is inoculated (instead of pure culture) and when the pristine material
of electrode is made of mixed composition (not pure material), the J-V
voltammogram may show in some cases sigmoidal shape, but the interpretation
of kinetic data becomes complicated. In these cases, the CV curves will not fit the
Nernst-Monod model, even with the selection of an appropriate J,,,,x and Ex . This
is largely due to the occurrence of several EET pathways. For example, results from
Badalamenti et al. (2013) show sigmoidal-shape CVs with various convex shapes
indicating multiple EET pathways (Fig. 11a). The CV curve will emphasize
significant deviations from Nernst-Monod model (Yasri and Nakhla 2016; Yoho
et al. 2015, 2014).

In these cases, however, derivative cycle voltammetry (DCV) can be used to
distinguish multiple EET pathways (red curve in Fig. 11b), which are reflected by
the multiple convexes appearing on the DCV (Yoho et al. 2015). The results from
Yasri and Nakhla (2016) indicate possible fitting of the forward DCV scan portions
using multiple derivatives of Nernst-Monod equations (Fig. 11b). The derivative of
the Nernst-Monod equation is best described by convex shape of dJ/dV (mA V1)
versus anode potential (V) (Yasri and Nakhla 2016; Yoho et al. 2015). Fitting first
derivative of Nernst-Monod equation to the DCVs can provide an important tool to
differentiate EET pathways under multiple EET conditions (Yasri and Nakhla
2016; Yoho et al. 2014, 2015). The forward and the backward DCV scans reveal
that there are multiple visible convex and concave shapes, respectively, that may be
associated with different electron transport pathways (Yasri and Nakhla 2016).
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The use of the derivative of the forward CV scan for fitting with multi-Nernst-
Monod equations is to provide the overall response of the oxidation part of the scan
(Yasri and Nakhla 2016). These forward curves can be fit using various derivatives
of Nernst-Monod equation (n = 1) at the midpoint potential of each convex shape
by adjusting the current values. Each Nernst-Monod fit represents one electron
transfer pathway. Thus, from the DCV shapes and from the multi-Nernst-Monod
fits, we could presume the existence of multiple EET pathways associated with
various potentials using different types of electrode. The variations in the potential
of EET pathways for different electrodes can be an indication of the various types of
ARB growing on the electrode (Yasri and Nakhla 2016; Yoho et al. 2015).

It is interesting at this point to discuss the driving force for the interface
reactions. For example, the DCV in Fig. 11b shows four main pathways
corresponding to four values of Ex, in Nernst-Monod model. The lower Exa
value (pathway 1) corresponds to lower bioelectrocatalytic potential. Comparing
the overall bioelectrocatalytic potential (Ex ) of different biological communities
on different electrodes will provide idea about the corresponding potentials of
pathways and hence the anode potential losses (APL, 74n04c). Thus, the lower
APL (lower Ex 4) will translate to a higher current density and hence higher energy
output and efficiency (Torres et al. 2010). In a similar approach, Zhu et al. (2014)
studied the effect of different anode potentials on the CVs of non-turnover (starving
biofilm conditions) to assess microbial community variations. They similarly
observed that the faster electrocatalytic processes were accompanied by a shift of
the anodic peaks toward the negative direction (Zhu et al. 2014). Further research is
needed to optimize electrode materials or growth of biofilms to reduce energy
required to catalyze the substrates being oxidized.

Conclusions and Perspectives

Interfacial electron transfer between electrodes and aqueous phases containing
pollutants can be successfully exploited in electrochemical systems for remediation
of environmental pollutants. Proper design of reactors, careful choice of materials,
and systematic control of parameters can lead to effective pollutant remediation,
material recovery, and even energy generation from waste streams. The concentra-
tor technique can be used to recover valuable heavy metals from dilute waste
streams and return the metals back to the industrial cycle. In case of waste streams
containing multiple metallic constituents, each can be simultaneously recovered
and separated by selective electrochemical deposition or in electrodialysis system.
Exploiting the stability of metal complexes with suitable masking ligands readily
performs these.

Electrochemical remediation of organic constituents can be achieved by
implementing various electrochemical designs and principles. Among these, the
techniques for remediating waste and simultaneously generating energy are the
most promising. The utilization of the basic chemical principles of coagulation,
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flotation, Fenton oxidation, chemical oxidation, and adsorption in electrochemical
cell provides enhancement in the performance of different electrochemical tech-
niques such as electrocoagulation, electroflotation, electro-Fenton oxidation,
electro-oxidation, and electroadsorption. Each process exhibits certain technical
advantages and disadvantages. The cost of electrochemical remediation is generally
lower than their chemical remediation counterparts. However, future developments
in electrochemical remediation technologies should be dictated not only by the cost
but also by the need to meet the public expectations and the regulatory guidelines.
An advantageous direction for new research is to explore the use of organic wastes
as resources for cost-effective energy generation. In this regard microbial electro-
chemical techniques show promise. However, there are challenges to overcome
such as the low current density, slow rate of remediation, limited scale-up, poor
portability, etc. Generally, the investment in electrochemical remediation processes
would be more promising if research focuses on integrating the electrochemical
technique to assist other remediation process as sources of electron donor and

acceptor at the electrode interface.

List of Notations/Abbreviations and Symbols

Notations/abbreviations

3-D: three dimensional

ACE: average current efficiency

AEM: anion exchange membrane
APL: anode potential losses (Nanode)
ARB: anodic respiring bacteria

ATP: adenosine triphosphate

BDD: boron-doped diamond

CAQO: catalytic advance oxidation

CE: coulombic efficiency

CEM: cation exchange membrane
CET: concentrator electrochemical technique
CM: concentrator material

COD: chemical oxygen demand

CV: cycle voltammetry

DC: direct current

DCV: derivative cycle voltammetry
DMRB: dissimilatory Fe-reducing bacteria
DO: dissolved oxygen

DSA: dimensionally stable anodes

EA: electroadsorption

EC: electrochemical coagulation or
electrocoagulation

ED: electrodeposition

EDTA: ethylenediaminetetraacetic acid

EEC: electrochemical energy consumption
EET: extracellular electron transfer

EF: electrochemical flotation

EFO: electro-Fenton oxidation

EO: electro-oxidation

HPR: hydrogen production rate (m* Hy/m*/d)
HRT: hydraulic retention time

ICE: instantaneous current efficiency
LSCV: low-scan cyclic voltammetry
M/MO: metal/metal oxide

MCT: microbial cell immobilization
MEC: microbial electrolysis cell

MEFC: microbial fuel cell

MNP: metal nanoparticles

MO: metal oxide

PEDOT: poly(3.,4-ethylenedioxythiophene
POPs: persistent organic pollutants

RH: organic molecules (pollutants)

SCE: saturated calomel electrode

SCOD: soluble chemical oxygen demand
SHE: saturated hydrogen electrode
TCOD: total chemical oxygen demand
TOC: total organic carbon

UV: ultraviolet
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Symbols
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Nact: activation overvoltage

ny: hydrogen overvoltage

n,: resistance overvoltage

Ry, : overall H; recovery (%)

Wy, : energy content of the hydrogen (J)
Yy,: hydrogen yield

ncg: Hp production from current (mol)
ny,: theoretical maximal production of H,
(mol)

AH: enthalpy (kJ/mol)

AG: nucleation energy (J)

A: atomic weight of metal (g)

C': concentration

D: diffusion coefficient

d: thickness of the diffusion layer

E: voltage (volt)

Eg4: potential when J = V5 Jax

Epg: the applied voltage (Volt)

ey: elementary charge of the electron

F: Faraday constant (96,485 coulomb per
mol"e’l)

Ioo: current (A) for 90% of the charge
accumulation

Ippi: applied current (Amp)

1. effective current (Amp)

J: current density (Amp m~?)

Jmax: Maximum current density (A m’z)
Kavs: the kinetic rate constant of reaction

N*: number of atoms per nucleus growth

n: ion valence,

n: overvoltage

N: transport number

7: concentration overvoltage

nE: energy recovery based on external electric
energy input

NE.s: energy recovery based on external electric
energy input and substrate input

nyp: number of moles of the hydrogen (mol)
ns: energy recovery based on substrate input
ng: number of moles of the substrate utilized (mol)
p: pressure (atm)

Q: electric charge (coulomb)

R: ideal gas constant)

rear: cathodic hydrogen recovery (%)

R.y: ohmic external resistance (ohm)

t: duration time (s)

T: temperature (303.15 K)

Vs: solution volume (L)

Win: energy input to the system (J)

Whr: energy loss on the external resistor (J)
Ws: energy added by substrate (J)

z: metal valence

a: percentage removal or efficiency (%)
@(N): variation in surface tension
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Microwave Heating-Mediated Remediation
of Hydrocarbon-Polluted Soils: Theoretical
Background and Techno-Economic
Considerations

Pietro P. Falciglia and Federico G.A. Vagliasindi

Abstract Massive amounts of soil and water have been contaminated with hydro-
carbon compounds, including fuel and petrochemical products, because of eco-
nomic and industrial activities. Several chemical-physical or biologic treatments
have been studied to remediate hydrocarbon-polluted soils; however, these alter-
natives may be ineffective, expensive or too lengthy. Otherwise, ex situ conven-
tional thermal desorption was successfully applied to remove organic contaminants,
presenting excellent removal values in a very short time but requiring high energy
and costs. Microwaves (MW) are a part of the electromagnetic spectrum occurring
in the frequency range of 300 MHz—300 GHz, and recently, their application has
been identified as a potential tool for hydrocarbon-polluted soil remediation. Com-
pared to other remediation methods, MW heating has advantages including sim-
plicity, safety, flexibility and cost-effectiveness since it offers the potential to
significantly reduce treatment times, risk of contamination and costs due to the
direct interaction of microwaves with the soil and its ability to overcome heat and
mass transfer limitations. In conventional heating systems, the energy is transferred
through conduction, convection and radiation, while in MW heating, energy is
supplied directly to soil by molecular interaction with the electromagnetic field
generated. Therefore, the components of the soil are heated individually and
instantaneously, overcoming limits imposed by material heat transfer properties.
Literature studies have shown that MW remediation has the potential to remove
polar and semipolar organic pollutants from soil. The key factor of the remediation
process is represented by the mechanism due to a partial dissipation of the electro-
magnetic field energy and its conversion into heat, avoiding the limitations of
conductive heating phenomena of conventional thermal desorption treatment.
This chapter discusses the theoretical background including MW heating process
and the related techno-economic features for ex situ full-scale applications in
remediation activities of hydrocarbon contaminants.
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Introduction

Massive amounts of soil and groundwater have been contaminated with total
petroleum hydrocarbons (TPHs) because of economic and industrial activities
(Tatano et al. 2013; Islam et al. 2015). In recent years, a number of chemical-
physical or biologic treatments have been investigated to remediate hydrocarbon-
polluted soils (Silva-Castro et al. 2013; Jagtap et al. 2014; Liu et al. 2014). However,
these alternatives may be ineffective, expensive or too lengthy (Liu et al. 2014),
whereas, reports have demonstrated that thermal treatments could be successfully
used to remedy hydrocarbon-polluted soils or rocks due to their versatility, removal
efficiency and required time (Chen et al. 2010; Falciglia et al. 2011a; Qi et al. 2014;
Switzer et al. 2014; Yang et al. 2014). On the other hand, conventional thermal
techniques may be expensive especially due to fuel costs, making innovative
low-cost thermal treatments an option strongly desired. Recently, microwave
(MW) heating remediation has attracted great attention in the environmental field
representing a potential remedial alternative for contaminated matrices or wastes
(Barba et al. 2012; Tyagi and Lo 2013; Al-harahsheh et al. 2014; Pereira et al. 2014;
Falciglia et al. 2015). MW heating offers the potential to significantly reduce
treatment times and costs due to the direct interaction of electromagnetic waves
with the soil and their ability to overcome heat transfer limitations. In fact, heating
time is three orders of magnitude lower than with conventional heating as reported
(Robinson et al. 2009). Other merits that should make MW application desirable are
(a) homogeneous heating of the contaminated materials, (b) low energy consump-
tion linked to short remediation times, (c) high flexibility with possibility of instan-
taneously controlling the power-temperature response and (d) selective heating
(in the presence of polar contaminants) (Tyagi and Lo 2013).

Principles of Microwave Heating and Organic Contaminant
Removal

MWs are a part of the electromagnetic spectrum occurring in the frequency range of
300 MHz-300 GHz, and their ability to heat rapidly and selectively the contami-
nated matrices leads to the possibility of significant energy savings and the need of
much smaller process equipment by which strictly control the automatic imple-
mentation of heating processes (Benedetto and Calvi 2013; Robinson et al. 2014).
Notably, the key factor of the remediation process is represented by the mechanism
of partial dissipation of the electromagnetic field energy and its conversion into heat
necessary for the thermal desorption of the organic contaminants. In fact, in a
conventional thermal desorption treatment, the soil temperature increasing depends
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mainly on conduction process, whereas in the case of microwave radiation, the
penetration of the generated alternating electric field into the contaminated soil
induces the rotation of the dipoles of polar or semipolar substances present in the
soil such as water and hydrocarbon contaminants, respectively. The intermolecular
friction results in the generation of heat. Moreover, MWs are highly absorbed by
materials with a high dielectric loss factor (absorbing) while passing through the
low loss (transparent) material, resulting in a selective, uniform and rapid heating.
Therefore, heating times can be significantly reduced compared with those required
when using conventional heating methods (Robinson et al. 2009).

The internal electric field () magnitude generated by MW irradiation decreases
with the distance from the irradiating source (d) due to the energy conversion into
heat, and its dependence on d (m) can be evaluated by Eq. 1 assuming that the
microwaves are partially absorbed by the medium according to the law of Lambert
and Beer (Barba et al. 2012; Falciglia and Vagliasindi 2014):

Eqg=Ey-¢ ™ (1)

where E, is the incident electric field (V m™') and D, is the penetration depth
(m) that represents the ability of the electromagnetic waves to penetrate into the
medium. In particular, D, is defined as the distance from the emission point at which
E drops to 0.37 from its value at the emission point. For low loss dielectric materials
(i.e. soil) (¢"/e" << 1), D,, is given by the simplified form expressed in the Eq. 2:

d VE

D. =
Y P

2)
where A is the wavelength of the irradiation (m), whereas & (—) and ¢” (—) are the
real parts (dielectric constant) and the imaginary parts (dielectric loss factor) of the
complex permittivity, respectively. The electric power 0 dissipated into heat per
unit of volume during the MW irradiation depends on the frequency of the applied
electromagnetic field and the dielectric and thermal properties of the medium. The

dissipation is quantified by Eq. 3, which is derived from Maxwell’s equations
(Metaxas and Meredith 1993):

E2. | = wcoe |E?| (3)

b 1 "
= —we
0 20) 0E

where w is the angular frequency (w = 2xf), & is the permittivity of free space
(8.85:10" 2 Fm™ ), Eux is the electromagnetic field peak value (V m ") and E is
the electromagnetic field effective value (V m™ Y. Consequently, the increase of
temperature (7)) with time (¢) (°C minfl) can be quantified by the following
equation (Falciglia et al. 2016a):

AT P _a)~e;"o-e”|E|2
At_cp-p_ Cpep

4)

Z;/(here_c313 is the heat capacity of the medium (KJ kg~ ' °C™") and p is its density
gm ).
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The dielectric constant ¢’ denotes the electric energy storage capacity of the
medium, while the dielectric loss factor £’ can be considered as the ability of the
medium to convert electromagnetic energy into heat due to the dielectric
polarisation of the particles in an alternating electric field. Substances, which
exhibit a large value of loss factor, are good microwave absorbers, whereas sub-
stances whose loss factor is close to zero can be considered to be microwave
transparent (Metaxas and Meredith 1993). For most hydrocarbon contaminants,
for example, diesel fuel, which are classified as semipolar compounds having
dielectric properties similar to those of soils, the key factor of the remediation
process is not represented by a selective heating/desorption of the contaminant
alone but by the final temperature of the contaminated soil. In addition, as the
amount of water in soil (as soil moisture) increases, so does MW removal efficiency
due to water high dielectric properties and, consequently, high MW-absorbing
features (Falciglia et al. 2013). However, during the MW irradiation the increase
of the soil temperature (T') depends also on the conduction phenomena. The energy
equation taking into account heat transferring by conduction is expressed in the
form (Falciglia et al. 2015)

oT .
Pep 5, = —kV*T + 0 (5)

where £ is the thermal conductivity (W m~' °C™ ).

Overall, organic contaminant removal could be due to four different processes:
(a) vaporisation due to the surpassing of the heat of vaporisation threshold,
(b) molecular bond breaking and consequently transformation of contaminant
molecules into derivatives or other smaller molecules, (c) selective vaporisation
due to the contaminant localised temperature achievable thanks to contaminant
dielectric properties (polarity) significantly higher than the soil ones and
(d) contaminant stripping due to steam distillation processes. The first process
is generally observed in conventional thermal desorption treatment (Falciglia
et al. 2011b) or in MW remediation of soils contaminated with low polar
compounds where treatment temperature is higher than the contaminant boiling
point. The second process is frequently observed, for example, in irradiating
process of PAHs (Librando et al. 2014) or PAH derivatives (Rafael and Morel
2013). Selective vaporisation occurs when a significant hydrocarbon removal
takes place even if the global soil temperature is significantly lower than the
contaminant boiling point. Finally, in the presence of water as soil moisture, the
soil temperature increase induces the physical process of evaporation-contaminant
stripping phenomena.
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Parameters Influencing the Contaminant Removal
Efficiency

Contaminants and High Dielectric Materials

In the last few years, several studies on contaminated soil remediation by MW have
been performed in order to understand the fundamentals of the treatment of
hydrocarbon-contaminated soils or to investigate the effects of process parameters
on the contaminant removal efficiency. Dauerman et al. (1992) and George et al.
(1995) showed the first experimental results that proposed the MW remediation
technique as a promising treatment of hazardous wastes. Several authors performed
removal of PCBs from contaminated soil. Liu et al. (2008) investigated the effect of
a 10-min MW remediation at 750 W on a 20 g PCB-polluted soil sample to which a
microwave absorber had been added. They showed an increase in contaminant
removal, with increasing soil moisture, to maximum values close to 100% at
moisture content of 20% (dry basis). Huang et al. (2011) demonstrated that the
maximum removal efficiency, for a soil polluted by PCBs at 5 mg kg~ ' and treated
at 800 W for a period of 45 min, is about 95%. The removal efficiency of crude oil
contaminant of 95% (initial contaminant concentration in soil = 7.8%) was
observed for a 15 min at 800 W treatment enhanced by different microwave
absorbers such as activated carbon powder or graphite fibres (Li et al. 2009).
Yuan et al. (2006) investigated the remediation of soil contaminated with
hexachlorobenzene (HCB) using a domestic microwave oven and powdered
MnO, as a microwave absorber. Their results showed that a complete removal of
HCB was obtained with 10-min microwave treatment. Kawala and Atamanczuk
(1998) also obtained similar results in terms of removal efficiency in a pilot-scale
study for the remediation of a TCE-polluted soil, where a microwave power of
600 W was supplied intermittently for 75 h. After the treatment the contaminant
concentration decreased from 5000-22,300 to 8-29 mg kg~ ', confirming the
possibility of the use of microwave heating as a remediation technique of volatile
and semi-volatile compound-polluted sandy soils and that the use of low-power
generators for the supply of microwave energy may help to reduce the costs of the
full-scale remediation interventions. In the case of diesel-contaminated soils,
Falciglia et al. (2013) reported a maximum soil temperature achievable of 260 °C
corresponding to contaminant removal of 95% for soil samples treated at 1000 W
for 60 min. Microwave treatment was also shown to be efficient in a short time for
the remediation of soil polluted with PAHs (Falciglia et al. 2016b; Robinson et al.
2009), PCPs (Di and Chang 2001) and antibiotics (Lin et al. 2010).

The above-mentioned works suggest that treatment power, time, soil dielectric
characteristics and microwave absorbents used are key factors in remedial pro-
cesses and that MW remediation is very effective for a large number of polar and
non-polar volatile and semi-volatile hydrocarbons, but in the case of non-polar
compounds, their dielectric properties could limit the treatment removal efficiency.
In addition, their results revealed that an improvement of contaminant removal was
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obtained with the addition of energy absorbents such as Cu,0O, MnO,, NaOH, iron
powder, graphite or granular activated carbons. However, for non-polar organic
compounds such as diesel or kerosene, defined as transparent (low dielectric loss
material), it was showed that they could also be efficiently removed using water as
the MW-absorbing phase (Kawala and Atamanczuk 1998).

Water Content as Soil Moisture

In MW remediation of hydrocarbon-contaminated soils, the energy supplied as
irradiation jointly with the moisture content in soil has been shown to have a
significant effect on the final temperature reachable during MW heating and
consequently on contaminant removal efficiency (Falciglia et al. 2013). The same
authors reported that a significant soil temperature increase was achievable for the
moisturised sandy soils (8 and 12%) with respect to dry soil (contaminated soil
without water content). For instance, a difference in soil temperature up to 40 °C
was observed between soils with 0 and 12% water content, considering a 1000 W
MW treatment. This specific behaviour strictly depends on the dielectric properties
of the moisturised soils, which are characterised by higher loss factor (¢”) values
than for dry soils, denoting a higher ability of the soil to convert electromagnetic
energy into heat due to the dielectric polarisation of the particles in an alternating
electric field. Specifically, in the case of dry soils, hydrocarbon removal decreases
from 95 to 90% for MW treatment at 1000 W for 60 min. For time shorter than
18 min, it was shown to be lower than 77% (i.e. 77, 74 and 63% for 12, 8 and 0%
water content, respectively). Studies clearly show that final soil temperature influ-
ences contaminant removals; however, in the presence of water, decontamination
efficiency can be heavily improved by evaporation and contaminant stripping
phenomena. In addition, the presence of a vapour stream leads to an increase of
vapour pressure resulting in a reduction of the temperature needed for the contam-
inant desorption and consequently in an increase in removal efficiency. This pre-
sents a major influence on the lighter (volatile) hydrocarbon fractions.
Progressively, the evaporation of the lightest fractions produces a solubilisation
and consequently an extraction of the heaviest fractions that are removed; this also
being due to the physical phenomena of water vapour stripping. Hence, in the
presence of stripping processes, lighter hydrocarbon fractions act as solvents for
those that are heavier.

Soil Texture

Similarly to the role of soil moisture in the effectiveness of MW remediation
process, also soil texture has been shown to have a significant effect on TPH
removal by applying conventional (Falciglia et al. 2011b) or MW (Falciglia and
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Table 1 Dielectric and thermodynamic properties of several soil textures (Falciglia and
Vagliasindi 2015)

Medium sand Fine sand Silt Clay
Parameter MS (200-350 pm) | FS (75-200 pm) | S (10-75 pm) | C (<4.0 pm)
Soil mineral Silica sand Silica sand Silica flower | Kaolin
Specific heat capacity | 932 957 1083 1105
(KIikg'°C™h
Dielectric constant (&) |7.21 7.08 4.06 3.22
Loss factor (¢”) 0.78 0.72 0.67 0.60

Vagliasindi 2015) thermal desorption treatment. However, in the case of contam-
inant desorption by MW heating, soil textures play a major role under two major
points: maximum soil temperature achievable and contaminant adsorption/desorp-
tion phenomena occurring during irradiation.

Based on Egs. 1 and 4, MW penetration into the soil and contaminated soil
temperature strictly depend on the dielectric and thermodynamic properties of the
irradiated soils that, in turn, significantly change depending on the texture of the
soil. Specifically, ¢ and & values increased with increasing the soil texture
(Table 1), having a significant effect on the temperature variation. Change in soil
texture alters the MW penetration and the permittivity of the sample, and hence the
strength of the electric fields in the soil and the power dissipated in it, resulting in a
high temperature difference between the irradiated matrices. On the other hand,
residual contaminant concentration strictly depends also on different contaminant
adsorption processes influenced by the specific surface area, lowest for sandy soil
and highest for clayey soil. Moreover, for clayey soil, the presence of inter-
crystalline layers able to trap contaminants that penetrate into the layers and high
porosity values, which increased the contaminant diffusion phenomena, represents
limiting factors in desorption processes.

Difference in dielectric and thermodynamic properties results in a significant
variation of final temperature (T') that was shown to follow the order: Tyg > Tgs >
Ts > Tc (MS, medium sand; FS, fine sand; S, silt; C, clay) (Falciglia and
Vagliasindi 2015). Specifically, a marked difference of temperature was observed
between sandy (MS, FS) and fine texture (S, C) soils, with the maximum difference
observed between MS and C soils in a wide range (24—65 °C) depending on the
power applied. The variation of T with time () showed a final soil temperature
(60-min MW irradiation) of about 125 °C for medium sand and lower than 100 °C
for clayey soil. After a 1000 W heating, T increased up to about 265 and 200 °C,
respectively. It is important to highlight how soil texture influences in a different
way MW and conventional thermal heating processes. It was in fact shown that
when different soils were heated using conventional ex situ thermal heating
(T oven = 100-300 °C), where conduction and convection are the main heat
transfer processes, the highest soil temperature was reached in clayey soil at
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every temperature of treatment (Falciglia et al. 2011b). Additionally, both maxi-
mum temperature achievable at the end of the irradiation by different soil textures
and the different adsorption/desorption processes result in a total hydrocarbon
removal for medium sandy soils and in a removal lower than 90% for clayey soil
(P = 1000 W) (Falciglia and Vagliasindi 2015).

Techno-Economic Analysis for Ex Situ Applications

A schematic ex situ MW treatment plant generally includes that polluted soil is
loaded into a hopper and by means of a screw belt passes through the cavity of the
plant where it is cleaned by MW irradiation (Falciglia and Vagliasindi 2014;
Buttress et al. 2016) (Fig. 1). The volatile organic compounds (VOCs) produced
are treated in a dedicated off-gas treatment line. The treating capability of such MW
system depends on the maximum thickness (D) of the soil layer, and it can be
evaluated expressing the electric field (E) variation as a function of the soil
thickness. Data reported in Fig. 2 allows the identification of D as a function of
the specific operating power P and soil moisture. It is evident the influence of the
soil moisture on the E penetration into the soil, and this clearly remarks that,
especially at the lowest powers, MW penetration is limited in the case of dry or
low water content soils. In this case, the absence or low content of water results in a
drastic drop of electric field with values close to O for minimal values of soil
thickness of about 30 cm. On the other hand, a significant difference of soil
moisture does not influence the remedial processes if a P higher than 30 kW kg™
is employed. Overall, for an effective remediation, soil layer values in the range
30-70 cm should be considered for the plant design activities (Falciglia and
Vagliasindi 2016).

The effectiveness of the treatment, and in particular times required to reach a
specific remediation target, is strictly influenced by the contaminant removal
kinetics achievable during the MW irradiation. It was experimentally shown that,

Magnetrons (MW sources)

e I I

= = N
MW MW
N’ < N

Feed

Conveyor belt

Contaminated
soil

Fig. 1 Schematic presentation of an ex situ microwave plant for polluted soil remediation
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Table 2 k and n of kinetic model at different powers (P) for several soil moistures

Moisture

(%) 0 8 10 12
P&Wkg™") |k@min™") |n k(min™") |n k(min™!) |n k(min™") |n
12.5 0.053 0.623 |0.145 0.430 |0.246 0.361 |0.250 0.371
22.0 0.074 0.715 |0.207 0.533 |0.269 0.490 |0.277 0.499
30.0 0.092 0.762 | 0.277 0.517 |0.337 0.494 |0.341 0.497
50.0 0.128 0.710 | 0.369 0.458 | 0.428 0.477 |0.429 0.481

similar to conventional thermal desorption process, MW heating is characterised by
an exponential decay kinetic:

C = Coe™™ (6)

where ¢ (min) is the heating time, k (min_l) is the decay rate and 7 is the shape term.
For the remediation of hydrocarbon-polluted soils, k£ and n values as a function of
the operating condition applied and soil moisture are reported in Table 2 (Falciglia
and Vagliasindi 2015). For any initial contaminant concentration (Cy) given, the
knowledge of k and n parameters allows the calculation of the residual concentra-
tion values (C) as a function of operating power (P) and treatment time (7) by means
of the Eq. 6, and, consequently, it is fundamental in assessing the change in energy
efficiency and cost of a MW thermal remedial process.

The knowledge of the kinetic parameters permits the calculation of the minimum
treatment time (f) required to reach a specific remediation target. Figure 3 shows # as
a function of the initial contamination level (Cy) when the remedial target is set to
500 mg kg~ ' (TPHs) (Falciglia and Vagliasindi 2016). Time values as a function of
initial contamination level (Cy) follow a linear trend for all the soil moistures, with
the exception of dry soils following an exponential trend. Specifically, focusing on
P values equal or higher than 22 kW kg~ ', which guarantee a good penetration
action of MWs into the soil, it was shown that remediation times not higher than
100 min are needed, for moisturised soils, in order to remediate hydrocarbon
contamination up to 5000 mg kg~'. For each condition, the knowledge of time
(H)-power (P) values allows also the calculation of the specific energy (E) required
and related cost (Cg) (Fig. 4). E is reported in a wide range (5-35 kWh kgfl) for Cy
values from 1500 to 5000 mg kg~ '. The same behaviour is reflected in Cg, for
which values in the range 20-160 € ton' were found for Co > 1500 mg kg '
(sandy soil). The presence of humidity in the soil determines a Cg reduction up to
about 70 € ton', highlighting again being a critical key factor for the optimisation
of a full-scale MW treatment.

The treating capability and the effectiveness of MW remedial system were also
affected by soil texture type. Electric field (E) variation for different soil textures
(medium sand, MS; fine sand, FS; silt, S; and clay, C) is reported in Fig. 5 (Falciglia
and Vagliasindi 2016). For P lower than 22 kW kg ', E penetration drops signif-
icantly for thickness values lower than 1 m. Data highlights that also soil texture
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40 ®0% y=-1E-06x? + 0.0142x - 6.1397; R* = 0.998
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Fig. 4 Minimum specific energy required (£) (a) and related specific energy cost (Cg) (b) to reach
the remediation target (500 mg kg71 — TPHs) as a function of the initial contamination level (Cy)
for all the soil moistures investigated (0, 8, 10 and 12%)

significantly influences the electric field penetration irrespective of the power
applied and confirms that soil layer values lower than about 70 cm should be
considered for design activities. Even for different textures, kinetic model better
expressing the variation of residual TPH concentration as a function of the
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Table 3 k and n of kinetic model at different powers (P) for several soil textures

Medium sand
Texture (MS) Fine sand (FS) Silt (S) Clay (C)
P&Wkg™ |k(min™") |n k(min™") |n k(min™") |n k(min™") |N
12.5 0.269 0.388 | 0.246 0.361 |0.177 0.409 |0.122 0.485
22.0 0.268 0.523 |0.269 049 |0.223 048 |0.167 0.556
30.0 0.334 0.528 | 0.337 0.494 |0.307 0.433 {0.206 0.631
50.0 0.450 0.516 |0.428 0.477 |0.343 0.531 |0.265 0.549

treatment time is again that was expressed in the Eq. 6 (Falciglia and Vagliasindi
2015). Related & and n parameters experimentally assessed for sandy, silty and
clayey soils and the minimum treatment time (7) (target: C = 500 mg kg~ ' — TPHs)
as a function of Cy are reported in Table 3 and Fig. 6, respectively (Falciglia and
Vagliasindi 2016). The variation of ¢ with Cq for different soil textures clearly
shows that the nature of the soil heavily influences the effectiveness of the remedial
treatment especially if low P values are applied. Specifically, highest electric field
values previously reported for sandy soils resulted in the shortest remediation times
for the same group of soils. Consequently, soil textures influence energy consump-
tions that were reported in the range 17-35 kWh kg~ ' for the maximum C,
considered (Fig. 7a). The possibility of using low remediation times for sandy
soils results in a most economical treatment (Fig. 7b), whereas, double costs are
required for the treatment of clayey soils (maximum cost of 160 € ton™') with
respect to a medium sandy soil. Therefore, the remediation of fine texture soils,
such as silt or clay, could be unsuitable.

It is clear that soil features and contaminant, as well as the specific operating
conditions applied, heavily influenced the overall treatment costs. However, very
limited information on MW cost are available in scientific and technical literature.
In a recent study where different MW irradiation conditions have been investigated,
Buttress et al. (2016), evaluating a continuous microwave processing system for
hydrocarbon removal from contaminated soils (energy dose of 150kWh t '), report
an average operating cost of about 20 € ton~' to reach a maximum contaminant
removal of 75%.

Comparison to Other Hydrocarbon Removal Treatments

Contaminant removal values observed jointly with remediation times are hardly
achievable by other treatments, especially if bioremediation or bioagumentation
treatments are involved. In this case, a hydrocarbon removal not higher than about
80% and remediation times up to 300 days were generally observed. Lee et al.
(2007) reported a maximum biodegradation ratio of hydrocarbon of 59.4% for a
remediation time of 12 days by applying a bench-scale enhanced bioremediation
decontamination treatment of a low permeability soil artificially contaminated with
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Fig.7 Minimum specific energy required (E£) (a) and related specific energy cost (Cg) (b) to reach
the remediation target (500 mg kg ' — TPHs) as a function of the initial contamination level (Cy)
for MS, FS, S and C soil textures

diesel (2500 mg kgfl). Li et al. (2007) showed that, for a sandy soil artificially
contaminated with diesel fuel at different rates (from 500 to 50,000 mg kg~ '), the
natural biodegradation reached a maximum value in the range of 70-73% for a total
incubation period of 110 days. Lebkowska et al. (2011) found an 80% removal for a
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sandy soil polluted by TPHs at 5300 mg kg~ treated by ex situ biopile remediation
for a period of about 2 months. Lower TPH removal in the range of 37-50% was
obtained by Fernandez et al. (2011). Liu et al. (2013) showed results from a
lab-scale bioagumentation of diesel-contaminated soils artificially contaminated
with diesel oil ranging from 4000 to 12,000 mg kg~ '. Authors have observed a
contaminant degradation efficiency ranging between 59 and 73% after about
300 days of treatment. Recently, Mena et al. (2015) reported data on the application
of coupled electrokinetic soil flushing (EKSF) and bioremediation through innova-
tive biological permeable reactive barriers (Bio-PRBs) for the removal of TPH
from spiked clay soils. Authors showed a contaminant removal rate of 30% in a
period as short as 2 weeks. Da Rosa et al. (2015) showed results from an experi-
mental study aimed at removing petroleum (5% w/w) and diesel oil (5% w/w) from
soil using microfoams of biological and chemical surfactants. Their findings
reported that the use of microfoams produced with rhamnolipid for the cleaning
of petroleum-contaminated soil resulted in a removal efficiency of about 45%.
However, also the application of chemical treatments could likewise lead to not
high hydrocarbon removals. Do et al. (2009) showed that a chemical oxidation
treatment of a diesel-polluted soil at 5000 mg kg~ ', using peroxymonosulphate/
cobalt, was characterised by a maximum degradation of 47% and that a sequential
injection treatment using a large quantity of chemicals was needed to reach a
contaminant degradation of 88%.

High performances of MW treatment can be reached by using conventional
thermal desorption remediation or a limited number of chemical-physical treat-
ments which are generally quite costly. Falciglia et al. (2011b) found that applying
a conventional ex situ thermal desorption (TD) technique, a soil temperature in the
range of 175-250 °C was sufficient to completely decontaminate a TPH-polluted
fine sandy soil with costs up to 560 US$ ton'. The USEPA (2004) reported an
average cost of fuel consumption ranging from 200 to 400 € ton~ ' for hydrocarbon-
polluted soil remediation by conventional ex situ thermal desorption with a rotary
kiln system. Islam et al. (2012, 2014) found that the application of 2 h of subcritical
water extraction (SCWE) treatment produced a 99% of the hydrocarbon removal
from a sandy soil at 250 °C and that its costs are in the range of US$ ton™~' 250-US$
ton~ ' 733. Khalladi et al. (2009) reported for a diesel extraction treatment for soils
using an ionic surfactant sodium dodecyl sulphate column process that an elimina-
tion rate of 97% was achieved after a soil washing with a rate of 3.2 mL/min. In
terms of cost, the Federal Remediation Technologies Roundtable (FRTR) (1997)
reports a minimal cost of US$ 361 per m* for a typical ex situ chemical extraction
process. Other researchers have shown electrokinetic (EK) decontamination to be
somewhat ineffective for diesel removal from soils thereby suggesting that only
enhanced processes should be used in order to reach contaminant removal higher
than 95% (Tsai et al. 2010; Pazos et al. 2012). In conclusion, based on the range of
costs reported for the most effective remedial treatment, it is clear that energy costs
calculated for MW heating jointly with short remediation times make MW tech-
nique a suitable alternative to conventional thermal or physical-chemical treatments
for the remediation of hydrocarbon-polluted soils, especially if sandy soils are
considered.
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Remarks and Future Prospects

Based on the above considerations, it is clear that parameters such as soil texture
and water content or operating conditions are strictly linked to the effectiveness of
the remedial treatment. Specifically, the mass and the thickness of the soil bed are
directly related making their jointly selection fundamental in order to reach a cost-
effective treatment. When the bed is too high, specifically greater than the pene-
tration depth of the electric field, the microwaves do not reach the bottom of the bed
with an adequate intensity. Thus, until the penetration depth is reached, the larger
the bed height (and hence the mass), the greater the total amount of energy absorbed
by the material. Overall, results showed that MW technology may become eco-
nomically viable with an optimised process and that there is significant potential for
reducing the environmental impact of hydrocarbon-polluted soils. Specifically, in
order to achieve a cost-effective remedial intervention, the treatment of soils with
low moisture or a fine-grain size should be avoided. Overall, energy costs lower
than 160 € ton™! (110 ton~! for sandy soils) and, in some cases also of about 20 €
ton~', with short remediation times make MW heating a suitable alternative to
conventional thermal or physical-chemical treatments for the remediation of
hydrocarbon-polluted soils. All data reported here (residence time, applied power
and specific energy costs) can be used as the foundation for process scale-up and the
preliminary design of a continuous MW heating unit. The possibility to signifi-
cantly improve the removal performance of ex situ system by means of using high
dielectric materials of considering an in situ application represents at the moment
the main challenges of research activities on MW heating remediation.
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Abstract Arsenic (As) is classified as a Class A human carcinogen and has gained
a substantial attention in recent years owing to its high levels currently observed in
the environment and adverse impacts on human health. Several studies have
delineated the biogeochemical behaviour of As in soil-plant system in relation to
its chemical speciation and bioavailability. This chapter establishes a link between
As speciation and biogeochemical behaviour of As in complex soil-plant systems. It
gives an overview of different biogeochemical processes that govern environmental
behaviour of As in soil-plant system; highlights how the chemical speciation of As
affects its biogeochemical behaviour (adsorption/desorption, mobility, bioavail-
ability/phytoavailability) in soil-plant system; and discusses relationship of soil
physico-chemical properties (pH, clay contents, biological and microbial condi-
tions, presence of organic and inorganic ligands and competing anions/cations) with
chemical speciation of As as well as its biogeochemical behaviour in soil-plant
system.
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Introduction

Environmental contamination by heavy metal(loid)s is a widespread dilemma
nowadays (Pourrut et al. 2013; Shahid et al. 2015a; Bibi et al. 2016). Many of
these heavy metal(loid)s are highly toxic and can induce a significant health risks
(Xiong et al. 2016a; Mombo et al. 2015). In particular, arsenic (As) has long been a
prevalent civic concern (Rafiq et al. 2017). Arsenic is a highly toxic and carcino-
genic metalloid. The European Union has classified the compounds of As as toxic
for the environment under directive 67/548/EEC. Arsenic and its compounds are
recognized as Group 1 carcinogens by the International Agency for Research on
Cancer (IARC) of the World Health Organization (WHO) and the US Environ-
mental Protection Agency (EPA), (Rosas-Castor et al. 2014). Arsenic has been
ranked No. 1 among the top 20 priority hazardous substances by the Agency for
Toxic Substances and Disease Registry (ATSDR 2013). Moreover, As is currently
observed in soils and waters at the global scale. Nevertheless, the biogeochemical
behaviour of As species within the soil and its plant accumulation are studied
inadequately because of its diverse phase transitions in the soil-plant system
depending on physico-chemical process of soil formation (Liang et al. 2011).
Some of the As compounds are soluble, but its migration intensity in soils is very
low, because of its sorption by organic compounds, iron hydroxides and because of
some clayey minerals (Kabata-Pendias and Pendias 1989). Therefore, it is highly
necessary to study and understand the biogeochemical behaviour of this metalloid
in soil-plant system.

Environmental contamination of soil-plant systems with As poses a severe risk
for human and environmental health, thereby affecting thousands of people glob-
ally with As toxicosis (Foucault et al. 2013; Niazi et al. 2011; Abdul et al. 2015).
Soil-plant transfer and consumption of food contaminated with As is considered to
be the major pathway (>90%) of human exposure to toxic metals (Foucault et al.
2013). Exposure to moderate or high levels of As can cause numerous physiolog-
ical, morphological and biochemical disorders in almost all forms of living organ-
isms (Rahman et al. 2014; Abdul et al. 2015). Acute and chronic As exposures
result in arsenicosis, which is a general expression used for As-associated adverse
health issues, such as integumentary, gastrointestinal, respiratory diseases,
haematopoietic, non-pitting oedema, reproductive disorders, diseases of the blood
vessels, high blood pressure, diabetes, cardiovascular and liver problems and cancer
of the kidney, liver, skin, bladder and lung (Foucault et al. 2013; Rahman et al.
2014; Abdul et al. 2015; Shakoor et al. 2015a). The adverse health issues of
arsenicosis depend strongly on the applied level, extent of exposure and the dietary
status of the exposed organism (Rosas-Castor et al. 2014). Arsenic contamination
problem has been mainly associated with flood-plain/alluvial soils and sediments;
for example, in India, Bangladesh and Pakistan along the river sediments originat-
ing from the mountains of Himalaya, Cambodia, Vietnam, Myanmar, Nepal and
China (Anup and Kalu 2015; Niazi et al. 2015).
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The presence of As in soil-plant systems may have hazardous environmental and
health consequences. It is well known that the biogeochemical behaviour of As in
soil relies on its mobility, solubility and bioavailability, which in turns varies with
its chemical speciation (Xu et al. 2016). It is found predominantly in the inorganic
form (multiple oxidation states; +5, +3, 0 and —3) but can be found as the organic
mono- and dimethyl arsenates/aresenites. Arsenate (As(V)) and arsenite (As(III))
are the most dominant inorganic species of As in contaminated soil and sediment
environments. The dissociation constant (pK) values for As(IIl) range between 9.22
and 13.40, while for As(V) pK values range from 2.20 to 11.53 (Shakoor et al.
2015a). The existence of As in different chemical forms (organic or inorganic) in
the plant-soil system is highly dynamic and interconverts rapidly through redox
cycling and/or methylation of inorganic form to the organic form (Abbas and
Meharg 2008).

Several dynamic mechanisms/processes occurring in soil can alter chemical
speciation of As in soil and thus participate in determining bioavailability and
phyto-uptake of As in soil-plant system (Kumpiene et al. 2007). These processes/
mechanisms can be physical, chemical and biological in nature, which include
precipitation/dissolution, sorption-desorption, oxidation-reduction, redox condi-
tions, As-ligand complex formation, biological transformations, volatilization,
uptake by plants and leaching to groundwater (Vaxevanidou et al. 2012).

The comparative significance of these processes depends on soil physico-
chemical properties (pH, organic matter, clay contents, biological and microbial
conditions, metal burdens, presence of organic and inorganic ligands and oxides of
Fe, Al and Mn) (Rojas et al. 2013). These factors/processes individually or
combinedly can alter biogeochemical behaviour of As and the degree of soil As
contamination. Any change in these soil physico-chemical and/or biological prop-
erties or the processes/mechanisms occurring in soil causes an alteration in the
speciation and the mobility of As.

Thus, data regarding As chemical speciation in soil-plant system in relation to soil
physico-chemical properties can be a useful contribution to risk assessment and
(phyto)remediation studies. Several previous studies evaluated, compared and
reported the biogeochemical behaviour of As in soil-plant system under different
exposed conditions. However, the mechanisms controlling As biogeochemical
behaviour in soil-plant system are not well understood. In the present book chapter,
we summarized the relationship that exists between As mobility, bioavailability and
speciation in soil under various soil factors and conditions. Actually a high knowl-
edge of As fate in the environment will increase the efficiency of its risk management.

Arsenic Sources in Soil

Arsenic is a naturally occurring toxic semimetal and was first reported by Albertus
Magnus in 1250. Arsenic ranks the 20th most abundant element in the Earth’s crust
(0.0001%), 14th in seawater and 12th in the human body (Kalia and Joshi 2009).
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Table 1 Concentration of arsenic in soil reported in different countries worldwide

Sr. # As level (mg kg™ ") Country References

1 23 Sweden Uddh-Soderberg et al. (2015)
2 131.5 Korea Ko et al. (2015)

3 12.2 China Liu et al. (2015)

4 16.08 China Cai et al. (2015)

5 10.367 China Jiang et al. (2015)

6 64 Bolivia Acosta et al. (2015)

7 354 China Wei et al. (2015)

8 41 Chile Bustos et al. (2015)

9 13.6 China Liang et al. (2014)

10 1.1 Iran Bagherifam et al. (2014a, b)
11 7490 Spain Beesley et al. (2014)

12 18.8 China Tong et al. (2014)

13 4357 Itlay Marabottini et al. (2013)

14 27.9 Australia Tighe et al. (2013)

15 7 Europe Tarvainen et al. (2013)

16 9.8 China Wang at al. (2013)

17 40.9 Uganda Nabulo et al. (2012)

18 0.01-4230 South Korea Kwon et al. (2012)

19 7.1 Tanzania Marwa et al. (2012)

20 9.62 India Tiwari et al. (2011)

21 16.7 Nepal Dahal et al. (2008)

22 36 Itlay Ungaro et al. (2008)

23 3.21 Ethiopia Fitamo et al. (2007)

24 0.5t0 2.5 USA Kabata-Pendias and Mukherjee (2007)
25 6.8 Finland Mikela-Kurtto et al. (2007)

Arsenic occurs naturally and commonly in the Earth’s crust, as a component of
several minerals/compounds (Shakoor et al. 2015b). Arsenic concentration in
uncontaminated soil is mainly related to the composition of the parent material.
Depending on the nature of anthropogenic and geogenic sources, As level in soil
may vary from <1 to 250,000 mg k' (Mahimairaja et al. 2005). However, As level
in soil fluctuates greatly among countries due to differences in soil parent material
(Table 1) as well as anthropogenic activities.

Various natural and anthropogenic sources can release As from the Earth’s crust
to the environment (water, atmosphere and soil). The most widespread sources of
As in soil and water are natural sources, such as volcanic activities, weathering and
erosion of minerals and rocks and geothermal waters (Rahman et al. 2014). Every
year, significant amount of As is thus redistributed from the contaminated aquifer to
different compartments of environment, i.e. water and soil (Ali and Tarafdar 2003).

Owing to its useful properties, As is used in several industrial processes, which
has transferred naturally occurring As in the Earth’s crust into water—soil—plant
system (Beesley and Marmiroli 2011). Arsenic is commonly used for strengthening
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alloys of lead and copper (e.g. car batteries). Anthropogenic activities, including
mining, industrial processes, As-containing herbicides, fungicides and insecticides
in agriculture, As-contaminated groundwater and CCA (copper, chromate and
arsenate) wood preservative, have contributed significantly in increasing As levels
in different compartments of environment (Niazi et al. 2012; Rahman et al. 2014).
Arsenic concentration in soil may reach up to 1000 mg/kg as a result of human
activities (Smith et al. 1998). Approximately 50,000 tons of As is released every
year by human activities (Bolan et al. 2014). Burning of coal is estimated to
discharge about 45,000 tons of As annually and thus contribute significantly
towards environmental contamination of As (Bolan et al. 2014). In 1992, about
23,900 metric tons of As was used, out of which 67% was used for wood preser-
vative CCA production (Fayiga et al. 2007). Soil irrigation with As-contaminated
groundwater has increased soil As level in excess of 83 mg/kg in Bangladesh
(Abedin et al. 2002). Soil As levels up to 1000 mg As/kg have been reported in
many mining and agricultural areas of Australia and the United States (Smith et al.
1998; Niazi et al. 2015). Roychowdhury (2010) reported that in the two studied
districts of Nadia and Murshidabad, almost 11.2 and 50.7 kg of As per year are
withdrawn, respectively, from 18 to 23 shallow tube wells.

Pesticides have been reported to be the major source of As in agricultural soils
(Cai et al. 2015). Widespread use of As-containing pesticides to increase crop
production resulted in an increased concentration of As in agricultural areas. In
France, these As-containing pesticides are nowadays forbidden; however, their past
uses induced soil pollution due to As persistence in the environment. Actually,
several As-containing pesticides such as magnesium arsenate (MgAsQ,), calcium
arsenate (CaAsQ,), lead arsenate (PbAsO,), Paris green [Cu(CH3COO),*3Cu
(AsO5),] and zinc arsenate (ZnAsO,4) had been used extensively as pesticides in
agriculture during 1880-1950 (Merry et al. 1983), which resulted in As contami-
nation of agricultural soils. The use of As-containing pesticides on large areas of
sugarcane farming in Hawaii resulted in total soil As level ranging from 40 to
900 mg kg~ ' (Cutler et al. 2013).

Arsenic Contamination in Soil

According to Kabata-Pendias and Mukherjee (2007), background concentrations of
As in soil vary between 0.5 mg kg~ and 80 mg kg~ ' (average 10 mg kg™ "). It is
reported that the total As content in uncontaminated natural soils is generally less
than 10 mg/kg (Adriano 2001). In the United States, As concentration of
uncontaminated natural soil varies from 0.1 to 40 mg/kg with an average of 5 to
6 mg/kg (Girouard and Zagury 2009) and rarely exceed 15 mg/kg (Smith et al.
1998). Arsenic concentration in sediments ranges from 3 to 10 mg kg~ ', depending
on the texture and nature of minerals (Adriano 2001). However, local concentra-
tions of As may vary depending on geological history and parent materials of soil.
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Arsenic is rarely found as a pure metalloid but as a component of sulphur-
containing minerals. Arsenic has been identified as the structural component (both
in organic and/or inorganic forms) of approximately 200 different naturally occur-
ring minerals (Bissen and Frimmel 2003). The dissolution and desorption of
naturally occurring As rocks and minerals are the main sources of As contamination
of groundwater and soil (Polizzotto et al. 2006; Roychowdhury 2010). Commonly
found As-containing minerals include arsenopyrite, enargite, tennantite, galena,
iron pyrite, chalcopyrite, realgar, orpiment and sphalerite (Shakoor et al. 2015b).
In ores, As is generally found in sulphide form associated to arsenopyrite, pyrite or
pyrrhotite (Nriagu et al. 2007). Arsenic contents of igneous rocks vary greatly up to
100 mg/kg with an average value of 2-3 mg/kg. Sedimentary rocks differ widely in
their As contents; limestone and sandstone contains very small amount of As
(usually less than 20 mg/kg), whereas manganese ores contain up to 15,000
mg/kg of As (Bolan et al. 2014). Similarly, sulphide ores are reported to contain
As contents up to 8000 mg/kg (Chilvers and Peterson 1987). Therefore, As contents
differ greatly in soil and greatly depends on the composition of parent material
(rocks and ores) from which the soil was developed.

High level of As in groundwater and soil (exceeding the threshold levels of
10 pg L™" and 20 mg kg™ ", respectively, set by the USEPA) has been detected in
over 105 countries worldwide (Naujokas et al. 2013) (Table 1). It has been
estimated that over 200 million people in the world are at the health risk of As
poisoning due to ingestion of As-rich water, including Minnesota, Spain, North
Mexico, Canada, Japan, Poland, Pakistan, Argentina, India, Saudi Arabia,
New Zealand, Bangladesh, Argentina, Nepal, Australia, Chile, Hungary, China,
Peru, Mexico, Taiwan, Thailand and the United States (Shakoor et al. 2015b). The
highest As level and worst As-induced poisoning have been reported in Bangladesh
and several states in India (Shakoor et al. 2015a). According to a report, 59 out of
64 districts in Bangladesh have As contents above the WHO safe limit (Chakraborti
et al. 2010). Arsenic levels of 3700 pg L' and 4730 pg L™ have been investigated
in South Parganas (India) and Noakhali (Bangladesh), respectively (Brammer and
Ravenscroft 2009; Chakraborti et al. 2010). It is estimated that almost 43 million
people in (West Bengal) India and 80 million people in Bangladesh have been
exposed to health risk from As-contaminated drinking water (Sharma et al. 2014).

Bioavailability of Arsenic in Soil

Bioavailability of an element relies primarily on the solid-phase speciation, con-
centration and the type of binding to soil particles (Niazi et al. 2011; Shahid et al.
2015a). Bioavailability of a metalloid is a complex and dynamic process and is
governed by biological, chemical and physical processes and their interactions
(Shahid et al. 2013a, b). Extractable fraction of the As may provide better indication
of its mobility and bioavailability in soils (Adriano 2001). Normally, the percent of
the plant-available As to the total As in soil is small, and the amount of As could be
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Fig. 1 Biogeochemical behaviour of arsenic in soil-plant system. In soil, As mainly exists as
inorganic (arsenate and arsenite) species, which are highly dynamic, and interconvert rapidly
through variation in soil physico-chemical properties (pH, Eh, SOM, etc.). From soil, As(V) enters
the plants via PHT transporters (LeBlanc et al. 2013), while As(III) is taken up through NHP and
LSi transporters (Mitani-Ueno et al. 2011). LSi is involved in As(IIl) xylem loading; however, As
(II) phloem loading and As(V) xylem and phloem loading are not yet well known. For
non-hyperaccumulators, As mainly sequesters in plant roots, while hyperaccumulating plants
(Pteris vittata) transfer major portion of As to aerial parts. Inside plants, arsenate reductase
generally reduces arsenate to arsenite using glutathione as a reductant. The arsenite is then
chelated by phytochelatins and is transferred to vacuoles of root cells (Abbreviations: As(Ill)
arsenite, As(V) arsenate, OM organic matter, Fe iron, A/ aluminium, Mn manganese, PC
phytochelatin)

absorbed by the plant even as the hyperaccumulator is limited (Huang and Matzner
2006). These factors include oxidation-reduction, pH, soil texture, soil organic
contents, microbial and biological conditions, metal level, the presence of organic
and inorganic ligands and competing cations (Niazi et al. 2011; Shahid et al. 2012a;
Xiong et al. 2016b) (Fig. 1). These parameters either separately or in combination
make the simulation of metal availability to plants by altering metal speciation and
behaviour in soil-plant system. They also determine whether As is adsorbed,
precipitated, chelated or leached through the soil profile or absorbed by plants.
Besides, these factors affect the maximum acceptable limit of As in soils above
which As phyto-uptake may become a risk to human and environmental health
(Jiang et al. 2013).
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Chemical Speciation of As in Soil

The term ‘metal speciation’ was first introduced in mid-nineteenth century by
Goldberg (1954) to better understand the biogeochemical cycling of trace metals
in seawater. Chemical speciation is the existence of an element in different chem-
ical forms and possible oxidation states which together make up its total concen-
tration in a system (Shahid et al. 2011; Nearing et al. 2014; Pierart et al. 2015).
According to Shuman and Luxmoore (1991), a metal may exist in soil in different
forms including (i) free ionic form, (ii) exchangeable, (iii) adsorbed on soil inor-
ganic or organic constituents, (iv) precipitated as solids and (v) presenting as
structural component of primary and secondary minerals.

Nowadays, it is well known that the biological availability or potential toxicity
of metalloids depends on their chemical speciation rather than their total concen-
trations (Nearing et al. 2014; Shahid et al. 2014a, b, 2015b). Total concentration of
As in soil system does not fully represent its biogeochemical behaviour in natural
environment (Belogolova et al. 2015). For example, the part of As that exists as
integral component of stable minerals is usually not accessible for biological
activity (Newman and Jagoe 1994). On the other hand, the part of As adsorbed
on different soil constituents is easily extractable and available for biological
reactions/processes (Bergqvist et al. 2014; Li et al. 2015).

Speciation of As in natural media has attained significant importance. It is because
of the fact that biological availability, physiological effects and potential toxicity of As
primarily rely on the type of individual As species (Lenoble et al. 2013). In general, the
portion of metal that is dissolved in soil solution in the form of free ions is considered
to correlate better with physiological effects and potential toxicity (Shahid et al.
2017a). In order to fully understand the biogeochemical behaviour of As in soil-
plant system, it is of great importance to evaluate the chemical speciation of As in
addition to its total concentration even if the portion of free As in soil solution strongly
correlates (R = 0.99) with total As contents in soils (Huang and Matzner 2006).

Arsenic occurs commonly and naturally in different chemical forms and oxidation
states in natural environment. The oxidation state of As determines its biogeochem-
ical behaviour (relative mobility, bioavailability and toxicity) in soil-plant system. In
nature, As mainly exists in these oxidation states: As(IIl) and As(V) (Joseph et al.
2015). The existence of As in different oxidation states is greatly affected by
conditions of ambient environment. The other major forms of As present in natural
media include monomethylarsonite [MMA(III)], dimethylarsenite [DMAII)],
monomethylarsonate [MMA(V)], dimethylarsinate [DMA(V)], arsenosugars,
arsenocholine, arsenobetaine, tetramethylarsonium ion and trimethylarsine oxide
(Joseph et al. 2015). The inorganic forms of As (arsenate and arsenite) also exist in
different chemical forms with the same oxidation states (arsenite III and arsenate V)
such as fully protonated As acids and arsenous, as well as a number of different
oxoanions (Sadiq 1994). Depending on pH and redox potential (Eh) of soil, the
thermodynamically stable and predominant forms of As in soils and waters are
H,AsO,, HAsO,*™ and H3;AsO;. Among these, H,AsO, is the most predominant



Arsenic Behaviour in Soil-Plant System: Biogeochemical Reactions. .. 105

species in aerobic soils (Warren and Alloway 2003). Arsenate is highly stable and is
readily adsorbed to soil components such as oxides and hydroxides of metals, organic
matter and clays. Arsenite predominates under reduced soil conditions, and it is
60 times more mobile, soluble and toxic than As(V).

Traditionally, speciation of metals/metalloids such as As in soils has been
evaluated by indirect methods such as selective electrodes, high-performance liquid
chromatography AA, colorimetric procedures, sequential extraction, polarography
and gas chromatography AA (Nearing et al. 2014; Xu et al. 2016). However, these
techniques have some limitations in natural environment due to the low concentra-
tion of metals generally observed. These approaches are very time consuming and
complex. The use of speciation computer programs/models provides a rapid and
alternative approach to estimate metal speciation (Shahid et al. 2011, 2017b). These
programs use formation constants of metal complexes and estimate the chemical
speciation and oxidation state of a metal in soil solution of known composition.
These computer models require input data such as the pH, redox potential and pCO,
and concentration of the metal, inorganic and organic ligands and major cations.
Output data of these programs include an estimation of the concentration of free and
complexed metals at equilibrium under specified conditions.

Influence of pH on Biogeochemical Behaviour of As

In As-contaminated soils, pH is the master variable governing chemical speciation
and biogeochemical behaviour (mobility, bioavailability and partitioning between
the soil solid and solution phase) in soil-plant system. Depending on the soil
texture, redox conditions and the nature of the mineral constituents, the specificity
of As adsorption on the surface of certain soil components is greatly influenced by
soil pH. The mobility and bioavailability of As increases in soil as the soils become
more acidic, mainly at pH values below 5 (Carbonell-Barrachina et al. 2000) or 5.5
(Signes-Pastor et al. 2007). Generally, the low pH values in soil results in the
increase of the soluble As fraction, which increases its phytoavailability. Variation
in soil pH also affects As speciation in soil and consequently its behaviour in soil-
plant system. In soil environment, the relative distribution of As(V) and As(II)
changes with the change in soil pH (Adra et al. 2015).

The effect of pH on As speciation, mobility, bioavailability and sorption/desorp-
tion on the surface of soil constituents changes with soil type (Li et al. 2011). Fu
et al. (2011) considered that instead of direct action, soil pH influences As behav-
iour in soil-plant system by governing the interaction between As and bearing
phases of soil constituents. Increasing soil pH results in As adsorption and precip-
itation to different metal-binding sites of soils constituents and reduces its dilution
and concentration in soil solution (Sauvé et al. 2000). It is reported that As
co-precipitates with calcium or sulphate at higher soil pH (Moreno-Jiménez et al.
2013). Pongratz (1998) reported that As is mainly sorbed on Fe and Al oxides under
acidic conditions, whereas this species is sorbed onto calcium under alkaline soil
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conditions. Simultaneously, soil carbonate contents also play key role towards As
adsorption under alkaline conditions over a wide range of redox conditions (Ryu
et al. 2010). Griffin and Shimp (1978) reported increased sorption of As(IIl) by
montmorillonite and kaolinite over a pH range of 3-9. At a lower pH value, the
adsorption of As(V) on calcium oxides is weaker than on oxides of Fe and Al
(Woolson et al. 1971). Bhattacharya et al. (2010) reported a negative correlation
between As level and soil pH in rice but was contradicted by Ahmed et al. (2011)
who reported a positive correlation between As phytoavailability and soil
pH. Akins and Lewis (1976) used sequential fractionation procedure to evaluate
the effect of pH (from 4 to 8) on As adsorption by soil constituents and found that
Fe-As is the predominant species followed by Al-As at low pH (pH 4), whereas
Ca-As is the most abundant species at high pH (pH 6-8). This behaviour of As in
relation to soil pH resembles with that of phosphate. Adriano (2001) showed that
Ca-P is the most abundant species under alkaline and calcareous soils, whereas Al-P
and Fe-P dominate under acid soils. Most of the soil amendments (natural or
synthetic like biochar) affect As biogeochemical behaviour in soil indirectly by
altering soil pH.

We evaluated the effect of pH on chemical speciation of As(II) and As(V) in
nutrient solution using Visual MINTEQ (ver. 3.0) (Fig. 2). The composition of
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nutrient solution used for calculating chemical speciation of metalloids in this study
includes 5 mM KNO3, 5 mM Ca(NO3),, 2 mM KH,PO,, 1.5 mM MgSQy,, 9.11 pM
MnSOy, 1.53 pM ZnSOy, 0.235 pM CuSOy, 24.05 pM H3BO;, 0.1 pM Na,MoO,
and 268.6 pM Fe. This modified nutrient solution is used in several previous heavy
metal risk assessment and remediation studies (Shahid et al. 2014¢, d). Results
showed that As(II) is mainly present in three forms including H,AsO; ™, H3AsO;
and HAsO3 . H3AsO; was the most available form of As present in higher % at pH
0-9, whereas the other two forms of As, H,AsO3;™ and HAsO{z, dominated in the
nutrient solution at higher pH. H3AsO5 was present 53—100% at pH <9.0. In case of
As(V), AsO, >, H,AsO,~, HyAsO,  and HAsO, > are the different chemical
forms predicted in nutrient solution at pH 0-14 (Fig. 2). However, these forms of
As(V), AsO4_3, H,AsO, , H3AsO,  and HAsO4_2 dominated the nutrient solu-
tion, respectively, at pH ranges 12-14, 3-6, 1-2 and 7-11. Similar results were
reported by Wilson et al. (2010) and Acosta et al. (2015), where HASO[4 and
H,AsO,4 dominated in pH range of 4.0 and 9.0. Similarly, Beesley et al. (2014)
reported predominance of H,AsO,  (96%) under low pH (3.04.0) and high
percentage of HAsO42* (73%) at pH 6.0-7.0.

Influence of Redox Potential on Biogeochemical
Behaviour of As

Arsenic is a highly redox sensitive metalloid, and its biogeochemical behaviour is
mainly governed by redox reactions (Gorny et al. 2015). A pronounced effect of
redox conditions is expected because of variation in the solubility of As(V) and As
(III). Soil redox condition varies with seasonal variations, mainly with changes in
groundwater levels. It is well known that the solubility and mobility of As in soil
system strongly rely on redox potential variations. This is because of the fact that
the concentration of dominant inorganic species of As (As(II) and As(V) having
different mobility and solubility) alters with variation in redox conditions, which in
turn influences As bioavailability. In general, decrease in soil redox potential
increases the solubility of As in soil. Under oxidizing conditions (high Eh values,
100 to + 200 mV), inorganic As(V) is the predominant species of As. At high Eh
value, As(V) is highly adsorbed and/or co-precipitated with different minerals,
especially iron and manganese oxides. Moderately reducing conditions (0 to
4100 mV) cause partial dissolution of As(V) in pore waters. At low Eh values
(0 to —200 mV), As(V) is reduced into As(IIl), and As(IIl) is the predominant
inorganic As species. Thus, As(V) is reduced to As(III) when the conditions
changed from oxic (100 to 4+ 200 mV) to reduced form (0 to —200 mV). This
can have a profound effect on mobility and bioavailability of As in soil-plant
system.

It is noteworthy that both arsenate and arsenite can coexist in natural environ-
ment under oxidizing conditions (Wang and Zhao 2009). Arsenic speciation in soil-
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plant system is dynamic with interconversion of arsenate and arsenite through
redox cycling (Abbas and Meharg 2008). For example, when the soil conditions
vary from reduced (0 to —200 mV) to oxic condition (100 to + 200 mV), arsenite
get oxidized to arsenate. Under oxic conditions, Ona-Nguema et al. (2010) reported
the oxidation of arsenite into arsenate by ferrihydrite or magnetite in the presence of
Fe. Goethite and Fe(II) induced oxidation of arsenite into arsenate under anoxic
conditions has been demonstrated by Amstaetter et al. (2010). Lake Pavin in France
illustrates a real effect of redox conditions on As speciation (Seyler and Martin
1989), where As(V) dominates (>85%) in well-oxidized surface waters. On the
other hand, As(IIl) dominates (51-90%) at depth below the redoxcline. The main
redox couples likely involved in the redox speciation of As are Mn(IV)/Mn(II), O,/
H,0, NO; /NO,~ Fe(Ill)/Fe(Il), NO;/N,, CO,/CH, and SO,* /HS .

Influence of Organic Matter on Biogeochemical
Behaviour of As

Organic matter is a crucial soil component that plays a key role in determining
mobility, sorption/desorption and bioavailability of As in soil (Anwar et al. 2013).
Soil organic matter is highly variable with respect to its structural and chemical
composition and functionalities (Shahid et al. 2012b). Soil organic matter consists
of dissolved and suspended particles. Dissolved organic matter (DOM) is composed
of humic (20%) and non-humic compounds (80%) (Rosas-Castor et al. 2014).
Non-humic compounds are generally less hydrophobic and include amino acids,
carbohydrates, hydrophilic acids and proteins, whereas humic substances are highly
hydrophobic and consist of humin, humic acids (HAs) and fulvic acids (FAs)
(Fakour and Lin 2014). The portion of SOM that is found in soluble form plays
key role in determining the sorption/desorption of As in soil. Humic acids influence
the concentrations of labile and free metals and their consequent mobility and
bioavailability in soil by forming metal-HS complexes (Sanchez-Marin et al.
2010). Soil organic matter exists in soluble (dissolved) and solid form (suspended)
depending on environmental conditions (Shahid et al. 2012b). When present in
dissolved form, HAs form complexes with As and other metals. In solid phase, HAs
adsorb metalloids from the aqueous system via different functional groups. How-
ever, there is a lack of harmony regarding the effect of organic matter on As
solubility, mobility and bioavailability. Some studies have reported HS-induced
decrease in As bioavailability (Janos et al. 2010), whereas other reported an
increase in As bioavailability (McCauley et al. 2009). An increase in As mobility
and leaching in soil amended with organic amendment has been reported (Hartley
et al. 2009). The SOM-induced increase in As mobility is most likely due to
competition between As and dissolved organic carbon for sorption sites in soil
(Redman et al. 2002). Negatively charged HSs outcompete As from binding sites in
soil (Grafe et al. 2002) due to higher binding energies than As leading to enhanced
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As solubility, mobility and bioavailability (Lin et al. 2008). Therefore, SOM may
play a key role in determining biogeochemical behaviour of As in soil-plant system
(Grafe et al. 2001).

The formation of As-HA complexes is via two different ways. First, organic
matter can adsorb As using Fe, Al and Mn cations by forming cationic bridges
between the negatively charged surface of organic matter and the anionic As
(Buzek et al. 2013). Secondly, organic matter forms As-HA complexes by different
functional groups such as quinone, phenolic, COOH, alcoholic and enolic OH,
lactone and hydroxyquinone (Fakour and Lin 2014). Bennett et al. (2012) used
3-mercaptopropyl-functionalized silica gel to develop a selective diffusive gradient
in thin film for arsenite based on the attraction between SH group of HSs and As
(III). Using X-ray absorption spectroscopy (XAS), Langner et al. (2011) showed
that SOM can completely complex As by forming covalent bonds with arsenite.
Different functional groups present on SOM have different binding capacities
(Shahid et al. 2012b); therefore HS may form complexes with As having diverse
binding energies (Fakour and Lin 2014). Generally, a strong bond is formed
between As and N functional groups of HSs (<10% of total binding sites). How-
ever, a weak As-HA complex is formed between As and phenolic or carboxylic
groups of HAs (>90% of total binding sites) (Fakour and Lin 2014).

Soil organic matter also influences As solubility, mobility, bioavailability and
chemical speciation in soil by altering As chemical speciation through modification
in soil conditions. For example, organic matter can result in arsenite oxidation to
arsenate as well as arsenate reduction to arsenite (Redman et al. 2002). Soils with
high organic matter produce reducing conditions (Ryu et al. 2010), which cause
change in soil redox potential via proliferation of microorganisms. The reduction of
arsenate into arsenite due to high-soil organic matter has also been reported
(Redman et al. 2002). There is extensive literature supporting SOM-induced vari-
ation in As behaviour due to variation in soil properties (Rowland et al. 2006).
Organic matter can alter the formation of soluble complexes soil redox potential
and the available adsorption sites (Wang and Mulligan 2006). Soil organic matter
can also influence biogeochemical behaviour of As in soil indirectly by affecting
several soil processes such as oxidation/reduction, sorption/desorption and precip-
itation/solubilization. These soil mechanisms govern soil soluble-adsorbed As
contents. Moreover, these processes also affect solubility and mobility of As in
soil by modifying soil bio-physico-chemical properties such as mycorrhization,
CEC, pH, redox status, competing ion concentration as well as chemical form of
organic and inorganic ligands.

Influence of Biochar on Biogeochemical Behaviour of As

In recent years, biochars are particularly studied as a novel carbon rich material to
adsorb As and heavy metals in contaminated water and soil (Bolan et al. 2014;
Niazi et al. 2016). Biochar is a porous carbonaceous charcoal prepared by the
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pyrolysis of organic compounds such as municipal waste, crop residues, animal
wastes, wood and different industrial wastes (Jones et al. 2011). Recent reports
showed that biochar has a number of agronomic benefits such as increase in carbon
content (Lehmann and Joseph 2009), soil water holding capacity (Thies and Rillig
2009), enhanced soil productivity (Atkinson et al. 2010) and reduction in leaching
of soluble macronutrients due to rise in soil pH (Laird et al. 2010). Biochar is
capable to sequester high levels of metalloids owing to its high nanoporosity,
surface area and other physio-chemical properties (Lehmann and Joseph 2009).
Biochar-induced increased adsorption/sorption of As strongly influences the behav-
iour and fate of As in soil-plant environment (Beesley et al. 2010). It contains
several functional groups (carboxylic, alcoholic and hydroxyl groups, etc.) and
forms complexes with As. For instance, Zhang et al. (2013) showed that the
Langmuir maximum capacity of biochar to As(V) is around 17,410 mg/kg, which
is not only higher than that of Al,O; adsorbent but also comparable to those of
activated Al,Os. Beesley et al. (2013) reported that addition of biochar increased
the mobility and bioavailability of As in soil. Biochar-mediated increase in extract-
able contents of As in soil has also been reported (Gregory et al. 2014), which
agrees with several other studies (Beesley et al. 2013).

Previous studies report contradictory effects regarding the fate and behaviour of
As in biochar-amended soils. However, there is harmony that application of biochar
significantly affects the biogeochemical behaviour of As in soil (Gregory et al.
2014). The mechanisms underlying biochar-induced remediation of contaminated
sites are generally governed by several heterogeneous processes including adsorp-
tion, electrostatic bindings and precipitation (Tang et al. 2013). Application of
biochar increases negative charges on soil surface due to the increased CEC and
reduced zeta potential (Tang et al. 2013). Therefore, there will be increased
electrostatic binding between negatively charged soil surfaces and As having
positive charge. Biochar-induced change in As behaviour in soil is attributed to
variation in cation exchange, pH and redox status of the soil (Lehmann et al. 2011).
Unlike metals, As mobility and solubility in soil increases following an increase in
soil pH (Moreno-Jimenez et al. 2013). It is widely reported that the addition of
biochar to soils resulted in pH increase (Jones et al. 2012). The liming effect of
biochar raises soil pH and consequently enhances the mobility and solubility of As
in soil (Joseph et al. 2010). Therefore, biochar application can enhance the bio-
availability of As in soil and thus decreases remediation times for contaminated
soil. However, some counterevidences suggest the potential risk of As leaching
when biochars are applied to soils with high levels of As concentrations (Beesley
and Marmiroli 2011).

Biochar-induced increase in As mobility and bioavailability can be due to a
combination of increased soil alkalinity and competition between As and P for
binding sites. In addition to As, biochars also enhance the mobility and bioavail-
ability of P in soil (Beesley et al. 2013). Recently, Beesley et al. (2014) reported that
application of biochar resulted in two times enhanced water-extractable PO,4-P
concentration. Since, As and phosphate are chemically analogous to each other;
thus increase in P availability results in the dissolution of As from soil particles into
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solution (Neupane and Donahoe 2013). Moreover, the physical structure of biochar
also affects the biogeochemical behaviour of As in soil. The presence of macro-,
micro- and nanopores in the structure of biochar matrix results in Fe and Mn
reduction (Joseph et al. 2010), both indicating a negative redox potential. Under
such scenario, As adsorption to soil is reduced resulting in increased mobility and
bioavailability of As in soil (Moreno-Jimenez et al. 2013).

There are some studies which reported no or non-significant effect of biochar on
As solubility in soil. For example, Lucchini et al. (2014) reported that wood-derived
biochar does not affect the solubility of As and heavy metals (copper (Cu), zinc (Zn),
cadmium (Cd), nickel (Ni)) in soil, even after repeated applications. Similarly,
Hartley et al. (2009) and Namgay et al. (2010) observed no significant increase in
As bioavailability after biochar application. Any effect of biochar on As solubility in
soil is probably due to increase in soil pH. The studies which reported no effect of
biochar on As mobility and solubility are mainly due to no effect of biochar on soil
pH. It is reported that the middle- to long-term application of wood-derived biochar
does not enhance As mobility in unpolluted soils, since the rise in soil pH was only
temporary (Namgay et al. 2010). Wingate (2008) reported that application of biochar
(1% w/w) enhanced soil pH to just below 5 and did not affect mobilization of
As. Even some studies reported decrease in As bioavailability in contaminated soils
(Hossain et al. 2010). The reduction in exchangeable As after biochar addition was
likely due to a reduction in CEC and the formation of insoluble As-biochar com-
plexes. Some studies reported temporary decrease in the water-extractable As level
(Gregory et al. 2014). Biochar-induced decrease in As solubilization can be due to its
precipitation with metal cations, such as Ca®". These As salts release As again to the
water-extractable phase after redissolution (Beesley and Marmiroli 2011). On the
other hand, the liming effect of biochar may become more obvious, thus enhancing
solubilization of As due to the associated pH increase.

Influence of Plant Root Exudates on Biogeochemical
Behaviour of As

Plants are also known to affect the mobility and bioavailability of As in the
rhizosphere soil by exudating low molecular weight organic acids (LMWOAs)
(Shahid et al. 2012c; Austruy et al. 2014; Bergqvist et al. 2014). LMWOA:s,
which include tartaric, acetic, fumaric, oxalic and citric acids, generally originate
by microbial metabolites or decay of soil organic matter (Quartacci et al. 2009;
Abbas et al. 2016). These organic acids affect mobility and bioavailability of As by
chelating/complexing via functional groups (Bergqvist et al. 2014). For example,
the carboxylic functional groups, which are structural component of most
LMWOAs, have been reported as potential extracting reagents for metalloids
(Elliot and Shastri 1999). However, the influence of different LMWOAs towards
As mobility and speciation differs with the type of LMWOAs and soil (Hinsinger
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and Courchesne 2008). Gonzaga et al. (2012) extracted As from soil using different
root exudate acids and demonstrated a strong correlation between the As levels in
plant and soil. Organic acids released by roots of As hyperaccumulators ferns Pteris
vittata and Pteris biaurita significantly enhanced plant-available and plant-
extractable As in the soil (Gonzaga et al. 2009). Tu et al. (2004) reported that
organic acids such as phytic acid and oxalic acid increased As transport and
phytoavailability. Arsenic hyperaccumulators (Pteris vittata and Pteris biaurita)
are capable to solubilize ‘non-labile As’ by exudating oxalic or phytic acids from
their roots (Gonzaga et al. 2008).

LMWOAs affect the behaviour and fate of As in soil by directly affecting
chelation, acidification, redox reactions and precipitation or indirectly, through
their influence on physical and chemical properties of the rhizosphere and microbial
activity (Quartacci et al. 2009). Yan et al. (2012) reported that oxalate, citrate and
single superphosphate can increase the NaHCOs-extractable As without any proper
trend. Moreno-Jiménez et al. (2013) reported that the extractable As concentration
in rhizosphere soil was two times higher than the bulk soil. This shows that plant
root exudates influence As solubility most likely by affecting the As present on ion
exchange sites. Plant root exudates are also reported to modify As sorption/desorp-
tion in soil by changing rhizosphere chemistry and processes taking place (Mucha
et al. 2010). LMWOASs can mediate As desorption from soil particles especially As
associated with oxides and hydroxides of Al, Fe and Mn.

The release and composition of root exudates vary with plant type and applied
As level. Under normal conditions, root exudates flow through the lipid bilayer very
slowly in response to the electrochemical gradient. However, under metalloid stress
conditions, increased amount of root exudates is released due to activation of H™-
ATPases (Quartacci et al. 2009) or expression of anion channels embedded in the
plasma membrane (Rengel 2002). Therefore, some studies suggested that
LMWOAs play more important role than soil pH, owing to their role and release
in accordance to plant need and environmental conditions (Qin et al. 2004).
However, there is still confusion whether different plant species exudate organic
acids of the same quality and at the same rate.

The As hyperaccumulator plants have potential to solubilize and uptake
unavailable As in soils perhaps by exudating organic acids (Tu et al. 2004).
Gonzaga et al. (2006) found that Pteris vittata (As hyperaccumulator) caused 9%
increase in soil organic contents in the rhizosphere than Nephrolepis exaltata
(non-As hyperaccumulator). In a hydroponic study, Tu et al. (2004) reported that
As hyperaccumulator Pteris vittata secreted 300-500% more oxalic acid and
40-106% more phytic acid compared to non-As hyperaccumulator Nephrolepis
exaltata under As stress. This showed that plant root exudates can solubilize As in
soil by replacing it from with Fe/Al complexes. Plant root exudates can also
enhance As phytoavailability by forming complexes with cations on soil mineral
surfaces or decreasing As absorption on soil constituents. Bergqvist et al. (2014)
reported that the extractable As concentration in the rhizosphere soil of carrot,
lettuce and spinach was almost double compared with the bulk soil. Similar results
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of higher extractable As in the rhizosphere soil as compared to bulk soil was
reported by Kuppardt et al. (2010) in Zea mays.

Influence of Clay Contents on Biogeochemical
Behaviour of As

Soil clay contents also affect mobility and solubility of As in soil. The adsorption
capacity and affinity of soil for As(V) depend on soil texture and mineralogical
composition. It is reported that soil clay contents are more effective than any other
soil parameter for the retention of As and heavy metals in soil (Malandrino et al.
2011). In general, As is retained and adsorbed at higher levels in soil with a higher
clay contents (Dousova et al. 2011). The mobility and bioavailability of As is lower
in clay and clay loam soils (fine grained soils) compared to loam and sand soil
(coarse grained soils) (Kirkham 2006). Sorption of As on clay varies in decreasing
order of kaolinite > vermiculite > montmorillonite (Dickens and Hiltbold 1967).

The adsorption of As on clay depends on the type and quantity of clay (Corwin
et al. 1999). Owojori et al. (2010) reported that clayey soils contain large amounts
of binding sites which can retain high level of As. The adsorption of As on clay
usually takes place by the formation of inner-sphere complexes or ion exchange
reactions (Abollino et al. 2003). Usman et al. (2004) reported that the exchangeable
and water-extractable metal contents decreased after soil amendment with clay
minerals. Long ageing time results in increased dehydration of adsorbed As on clay
minerals leading to less desorption of As due to stronger bonding (Lin and Puls
2000).

Influence of Metal Oxides in Soil on Biogeochemical
Behaviour of As

The Fe/Mn oxides are ubiquitous in nearly all types of soils. The oxides and
hydroxides of Fe and Mn are present in soil at varying levels (between 10 and
1000 mg kg~ ") and play an important role in determining chemical speciation and
behaviour of As in soil (Sparks 2003). These oxides have high surface area and
sorption affinity for As due to their small particle size (Sposito 2008). Nowadays, it
is well eminent that the adsorption/desorption of As in natural solids greatly varies
with the level of oxides and/or hydroxides of Fe, Al and Mn (Dousova et al. 2009).
Generally, high levels of As are found in soils with high concentrations of Fe and
Mn oxide or hydroxide (Bagherifam et al. 2014a). Some studies reported a moder-
ate positive correlation ( > 0.64) between Fe and Mn content (oxides and hydrox-
ides) in soil and the total As concentration (Neidhardt et al. 2012). The analysis of
soil polluted by metalloids near mining sites showed that soil As was primarily
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found in association with oxides and/or hydroxides of Fe, Al and Mn (Bagherifam
et al. 2014a). Qi and Donahoe (2008) used a seven-step metal extraction procedure
and showed that >80% of the extractable As (HNOj digestible) in soil was found
associated with Fe and Mn oxides and oxyhydroxides.

The oxides and/or hydroxides of Al, Fe and Mn present are considered as key
scavengers of As in natural soil environments, thus decreasing greatly their solu-
bility, mobility, bioavailability and bioaccessibility (Bagherifam et al. 2014b). Soil
amendments containing Fe and Mn oxides and oxyhydroxides have been widely
studied for the treatment of As-contaminated sites due to the high binding affinity of
Fe and Mn oxides for As (Garau et al. 2014). For example, Cutler et al. (2014)
reported that application of two Fe sources (ferric chloride and ferrous sulphate)
greatly reduced As bioavailability causing 30-41% reduction of in vitro
bioaccessible As over a period of 2 years. The presence of Mn and Fe in soil is
reported to form Fe or Mn plaques on the plant root surface, thus decreasing As
absorption (Mallick et al. 2011). Neidhardt et al. (2012) observed that the presence
of 6% Fe,05 concentration in soil resulted in reduced phytoavailability and uptake
by Zea mays.

The adsorption of different As species on mineral surface of Mn and Fe can be
via two processes: (i) chemical (specific) and physical (nonspecific). The chemical
adsorption is via the formation of inner-sphere complexes between As and Mn and
Fe oxides. On the other hand, the physical adsorption is via outer-sphere complex-
ation. The chemical adsorption (inner-sphere complexation) of As on oxides and/or
hydroxides of Fe, Al and Mn is much stable and stronger compared to physical
adsorption (outer-sphere complexation). The chemical adsorption is the result of
coordinate-covalent bonding between As and metal oxides, whereas physical
adsorption is due to electrostatic bonding. There is widespread literature reporting
the formation of inner-sphere surface complexes between As and Fe and Mn oxides
using extended X-ray adsorption fine structure (XAFS) spectroscopy (Goldberg and
Johnston 2001).

The absorption of As on oxides and/or hydroxides of Al, Fe and Mn is highly
dynamic and varies with the change in soil physico-chemical properties and the
presence of organic and inorganic ligands (Dousova et al. 2012). Soil pH greatly
affects As adsorption on oxides and/or hydroxides of Fe, Al and Mn by modifying
net charge on functional groups of mineral surfaces. The adsorption of As on oxides
and/or hydroxides of Fe and Mn occurs via surface complexation between nega-
tively or positively charged functional groups such as OH and As ions. The mineral
surfaces containing Fe and Mn may contain positive or negative charge depending
on soil pH values (McBride 1994). Low soil pH causes double protonation of
hydroxyl groups present at the surface of the iron oxide resulting in positive charge
of iron oxide. At a certain pH (point of zero charge, usually pH between 5.5 and 9),
the surface charge of iron oxide becomes neutral due to protonation of hydroxyl
group with only one proton. At high-soil pH values, the hydroxyl group is fully
deprotonated resulting in a negative charge on iron oxide surface. LMWOAs
(oxalate, citrate, malate and tartrate) block As sorption onto oxides and/or hydrox-
ides of Fe, Al and Mn (Dousova et al. 2012).
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Influence of Phosphate on Biogeochemical Behaviour of As

Soil phosphate (P) contents are reported to play a key role in mobilization/immo-
bilization processes of As in soils (Rahman et al. 2014). Several previous studies
reported that As and phosphate are analogous to each other owing to their similar
physical and chemical properties. Arsenate and phosphate compete for the same
adsorption sites present on the surface of soil constituents (Rahman et al. 2014).
Competitive binding of As(V) and P to soil particles is well known on mineral
surfaces such as goethite (Sharma and Sohn 2009; Feng et al. 2013) and ferrihydrite
(Sharma and Sohn 2009). Biswas et al. (2014) evaluated the effect of different
competing ions on arsenite and arsenate adsorption onto Fe oxyhydroxide and
reported that the competition ability of competing ions decreases in the order of
phosphate > Fe(Il) > H4SiO, > HCOs3. Several previous studies supported
P-induced As mobilization and solubilization in soil (Cao et al. 2003). Therefore,
phosphate is considered to be a good marker of As mobilization and solubilization
in soil (Huang and and Matzner 2006). The desorption of As by P from the surfaces
of soil particles is via ion exchange reactions (Kaplan and Knox 2004). Removal of
As from contaminated soil particles with phosphate solutions has been studied and
reported extensively (Tokunaga and Hakuta 2002). For example, phosphoric acid is
reported to be highly effective in rapid removal of As from contaminated soil by
dissolving As present on oxides and hydroxides in soil (Tokunaga and Hakuta
2002). Recently Cutler et al. (2014) reported that the addition of P caused a
significant increase in in vitro bioaccessible As. Some studies have also reported
co-precipitation of P minerals and As (Henke 2009). These studies reported that As
forms solid solutions of chlorapatites and fluorapatites by substituting P (Grisafe
and Hummel 1970). Using this technique, some authors removed As from solution
via precipitation of Ca-P-As(V) minerals at pH 8-10. The adsorption and desorp-
tion of As and P on iron oxides are very similar with regard to pH dependence.

The effect of P on As phytoavailability in soil and uptake by plant is generally
attributed to competition between As and of P for adsorption on soil constituents
and uptake by plant roots (Bolan et al. 2014). The effect of phosphorus on As
bioavailability is via two processes. Firstly, phosphate has more binding affinity for
soil particles compared to As(V) and hence assists As desorption and solubilization
in soil (Ravenscroft et al. 2001). Secondly, As does not have any specific uptake
transporter in plants and is usually taken up by phosphate transporters (Meharg and
MacNair 1992). However, the overall influence of P on As bioavailability in soils
varies with the degree of P-induced As solubilization in soils and competition
for As uptake by plant roots. Abbas and Meharg (2008) reported that treatment of
PO,>~ in hydroponic experiments significantly decreased the influxes of As by 50%
using different maize varieties. Similarly, the presence of As in soil affects phos-
phorus uptake by plants. Mallick et al. (2011) reported that addition of As under
hydroponic conditions reduced phosphate ion content in the root and leaves of the
maize plant.
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Influence of Calcium on Biogeochemical Behaviour of As

Different inorganic compounds, especially cations, also play an important role in
biogeochemical behaviour of As. The effects of these cations are either by precipi-
tating properties or by competing like calcium, which is reported to compete with As
in soil-plant system. The presence of Ca along with As in soil system causes
precipitation of these cations in different mineral form. Owing to binding and
precipitation capacity of Ca-bearing compounds, Ca is used for the immobilization
of As in remediation studies. However, the formation and precipitation of these
Ca-As-bearing minerals depends on soil physico-chemical properties (Hassan et al.
2014). Juillot et al. (1999) reported that application of Ca in the form of gypsum
forms resulted in a reaction between dissolved calcium with As(V) followed by
formation and precipitation of 1:1 calcium arsenate pharmacolite (CaHAsO,4.2H,0),
haidingerite (CaHAsO4.H,O) and weilite (CaHAsQO,). Similarly, Rodriguez
et al. (2008) reported that the reaction of gypsum with arsenate started at pH 9 and
25 C° temperature followed by surface precipitation of sainfeldite
[Cas(HAsO4)2(AsO4),°4H,0] and guerinite [Cas(HAsO,4),(AsO4),*9H,0]. Recently,
Chen et al. (2014) reported that there is high As removal efficiency of calcium
sulphate anhydrous whiskers (CSAW), and byproduct gypsum, when present in
lower concentration range (below 40 mg L™"). However, the removal efficiency of
CSAW was less than 60% for As(III). Thus, the interaction mechanism between
arsenate and CSAW material could be a combination of adsorption and surface
dissolution-precipitation (Chen et al. 2014). Moreover, the interaction mechanism
of As with Ca varies with its chemical form (As(III) or As(V)).

Lime is also used to immobilize As in soil via adsorption and surface
dissolution-precipitation processes. Lime-reducing soil As availability is possibly
attributed to formation of As-Ca complexes (Moon et al. 2004). CaO, dissolves in
H,O0 to form H,0, and Ca(OH), via reaction CaO, 4+ 2H,O —> H,0, + Ca(OH),
(Northup and Cassidy 2008). It has been evident that calcium hydroxide (Ca(OH),)
has a high efficiency for the capture of As in comparison to other minerals such as
kaolinite, alumina and silica (Ghosh-Dastidar et al. 1996). This high capturing
efficiency of (Ca(OH),) is due to the formation of low solubility Ca-As precipitates
such as Cay(OH),(As04),4H,0 and Cas(AsO4)3(OH) (Bothe and Brown 1999).
The As(IIl) stabilization can be increased by CaO, into the soil by following
reaction AsO 2 + H,O, + 20H- —> AsO{3 + 2H,O (Fuessle and Taylor
2004). Therefore, CaO, is considered a potential amendment for As immobilization
in soil (Chuan-ping et al. 2012). Moreover, a combined application of Ca with P
(Ca-P) is considered to be the best treatment for As immobilization in contaminated
soil (Neupane and Donahoe 2012). Owing to high capturing efficiency, Ca-bearing
minerals are also used as additives to coal for in situ capturing of As and Se vapours
and in turn reduce their emission into ambient (Zhang et al. 2015).

Calcium is also reported to interfere and compete with As plant uptake and affects
its transportation from soil to root and root to shoots. Recently, Liu et al. (2014)
reported that soil application of CaO, significantly reduced As accumulation in celery
shoots, which was attributed to decrease in bioavailable (labile) portion of As in the
soil and the formation of stable and immobile crystalline Fe and Al oxide-bound As.
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Influence of Silicon on Biogeochemical Behaviour of As

Silicon (Si) is the second most abundant element in the Earth’s crust, and its
concentration in soil solution ranges from 0.1 to 0.6 mM. Since Si is ubiquitous
in soil-plant system and is inevitable for the plants, so all plants grown in the soil
medium contain considerable concentrations of Si in their tissues ranging from 0.1
to 10% on dry weight basis (Epstein 2009). However, Si does not have any
necessary role for the growth of higher plants, but the beneficial effects of Si
have been reported in plants under biotic and abiotic stresses. It has been reported
that exogenous application of Si improves plant growth under water stress and
metalloid toxicity (Liang et al. 2007). As reported earlier, As(V) is taken up by the
plant roots through high-affinity phosphate transporters (Meharg and MacNair
1992), while As(III) enters plant roots through Si transporters. Various mechanisms
have been reported about the beneficial effects of Si under As stress, i.e. improved
photosynthetic activity (Sanglard et al. 2014), reduced oxidative stress by detoxi-
fication of reactive oxygen species (Tripathi et al. 2013), reduced As uptake and
improved selectivity of Si over arsenite (Sanglard et al. 2014).

From the reported studies, it is evident that plants have the strategy to avoid
extra-exposure to As. Among these strategies, As(II) exclusion through Si influx
transporter LSi; is an important one, but this only contributes 15-20% of the total
As(III) exclusion (Zhao et al. 2010). The other possibility is the active exclusion of
the arsenite through H" gradient-driven antiporter, as identified in the yeast
(Wysocki et al. 1997). Unfortunately, the excluded form, arsenite, is more mobile
and may readily be taken up by the plant roots. In this context, arsenite oxidation
can be an important way to reduce the arsenite transport from the soil solution to the
roots (Jia et al. 2014). This is achieved through inclusion of Si in the root medium,
which enhances the oxidation power of the plant roots (Fleck et al. 2011). In
addition, Si may reduce the arsenite transport within the plants from roots to shoots
through Si deposition in the endodermis of roots that reduces the apoplastic bypass
flow and creates a barrier in the apoplastic movement of toxic ions (Saqib et al.
2008). Moreover, apoplastic Si deposition changes the binding properties of the cell
wall, thus increasing the adsorption capacity of the cell wall reducing the toxic
mineral ions (Saqib et al. 2008). The other possible strategy by which Si added to
root medium reduces the toxic effect of As may be due to activation of the plant
antioxidant systems such as superoxide dismutase, catalase and glutathione reduc-
tase that results in reduced lipid peroxidation of the plasma membrane (Tripathi
et al. 2013) and may help in maintaining the plasma membrane and tonoplast H'-
ATPase activities as described in case of salinity toxicity (Liang et al. 2006). These
processes may improve the compartmentation and sequestration of the As into the
vacuoles and reduce the overall impact in the living systems.
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Influence of Synthetic Organic Ligands on Biogeochemical
Behaviour of As

The role of organic ligands on biogeochemical behaviour of metalloids in soil-plant
system has been mainly studied due to high affinity of organic ligands for metals
(Shahid et al. 2012d, 2014e). Different synthetic chelating agents are used for soil
amendments of metalloids, which act differently towards metal mobilization/
immobilization in soil. The most commonly used synthetic chelating agents include
nitrilotriacetic acid (NTA), ethylenediaminetetraacetic acid (EDTA), glycol ether
diamine tetraacetic acid (EDGA), diethylenetriaminepentaacetic acid (DTPA) and
ethylenediamine disuccinate (Shahid et al. 2012d, 2014f; Saifullah et al. 2015).
These compounds are highly effective in mobilizing the metalloids, thereby
increasing their subsequent absorption by plant roots. However, the effectiveness
of these chelates in mobilizing soil metalloids varies with different factors, includ-
ing As species, As chelate ratio, the presence of competing cations, soil pH and the
extent of metalloid retention onto soil constituents. Synthetic organic ligands are
capable to extract As on exchange sites of both organic and inorganic complexes
(Leleyter et al. 2012).

Synthetic organic ligands form soluble complexes with As and increase the
exchangeable fraction of As in soil (Miihlbachova 2011). The total amount of
extractable As(III) increases after the addition of EDTA (Aydin and Coskun
2013). Owing to high affinity for metals, synthetic organic ligands release As
from various soil constituents, especially metals associated with organic matters
and oxides of Fe and Mn (Udovic and Lestan 2009). Moreover, synthetic organic
ligands can extract As bound with sulphide and organic soil components, which are
usually not easily phytoavailable (Ramos-Miras et al. 2011). However, the effect of
different synthetic organic ligands on As behaviour in soil-plant system is different.

It is reported that organic ligands affect the pH of soil, which in turn affects As
availability in soil. Ligand-induced increase in As solubility can be due to the
change (decrease) in soil pH, i.e. associated with the application of organic ligands
(Signes-Pastor et al. 2007). For example, Abbas and Abdelhafez (2013) showed that
EDTA has an acidic physiological effect and significantly decreased soil pH values
after 8 weeks of incubation. Several reported studies have shown that the soil pH
decreased significantly followed by EDTA application (Miihlbachova 2009). Some
authors also reported the direct effect of organic ligands application on As behav-
iour in soil. Aydin and Coskun (2013) reported that application of EDTA 15 days
prior to harvest resulted in more solubilization of arsenite and increased the amount
of arsenite accumulated into watercress. Chiu et al. (2005) evaluated the extraction
efficiency of nine chelating agents and found the following order of extraction
efficiency of chelating agents: NTA > HEIDA > HEDTA > citric acid > EDTA >
EGTA >CDTA > DTPA > malic acid. This showed that application of NTA can
significantly enhance As mobilization in soil, but the applied rate of NTA should be

> 10 mmole kg~ .
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The presence of synthetic organic ligands also affects As uptake and partitioning
inside the plants. Abbas and Abdelhafez (2013) reported that application of EDTA
combined with As(IIT) resulted in increased absorption of As by maize plants. They
also showed that EDTA enhanced the rate of As translocation towards aerial parts.
Arsenic uptake and translocation increases with increasing rate of EDTA application.
Similar results were reported by Rahman et al. (2011) who showed that the presence
of EDTA in growth medium remarkably increased As uptake in the shoots of rice
plants. Chiu et al. (2005) reported that the application of NTA in As-amended soil
increased threefold of As in shoots of Vetiveria zizanioides and Zea mays. Yang et al.
(2012) observed that the shoot concentrations of As, Cd and Pb in Arundo donax were
increased significantly by the addition of EDTA. Rahman et al. (2008) showed that
EDTA enhanced As uptake in tissues of S. polyrhiza due to EDTA-induced mobili-
zation of As adsorbed on iron plaque of plant surface. Previously, it was shown that
addition of iron in the soil solution enhanced As adsorption on Fe plaque on the rice
seedling roots (Azizur Rahman et al. 2011). Moreover, De Gregori et al. (2004)
reported high correlation coefficient values between EDTA extractable As fraction
and the As content in alfalfa plants. Still, there is confliction regarding the application
of different synthetic organic ligands to As-contaminated soil and resulting As
mobilization in soil and accumulation by plants.

Influence of Microorganisms on Biogeochemical
Behaviour of As

Soil microbial activity influences As behaviour in soil especially in the rhizosphere
soil (Yamamura and Amachi 2014; Gorny et al. 2015). Soil microorganisms are
found abundantly in rhizosphere soil where they are reported to cause As solubi-
lization in soil, thereby affecting As mobility and bioavailability in soil system
(Rahman et al. 2014). Soil microbes solubilize As-bearing minerals via different
processes and increase As availability (Sheng and Xia 2006). Bai et al. (2008)
reported that inoculation of arbuscular mycorrhizal fungal strain for 10 weeks
increased As phytoavailability to maize plant. Similarly, Rahman et al. (2014)
showed increased As uptake to maize roots by microbial interactions. The use of
Glomus mosseae and Acaulospora morrowiae as arbuscular mycorrhizal affected
the root As efflux and reduced As bioavailability to corn plant (Hua et al. 2014).
Microorganisms play a major role in redox transforming of As by reducing As
(V) to As(III) and vice versa (Gorny et al. 2015). A number of As(Il)-oxidizing and
As(V)-reducing prokaryotes have been identified and isolated from
As-contaminated environments (Ghosh et al. 2015), which are capable of mediating
As transformations in agricultural and forest soils (Corsini et al. 2010) as well as
groundwater sediments and aquifer (Kulp et al. 2007). Microbial-induced As
(V) reduction in uncontaminated natural soils is well known (Xu et al. 2016) and
is the main source of high level of As in naturally contaminated waters (Lockwood
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et al. 2014). Microbial-induced As(V) reduction occurs via dissimilatory reduction
(Zobrist et al. 2000) or intracellular mechanism of detoxification (Ghosh et al.
2015). Arsenate-reducing microorganisms such as Crysiogenes arsenates,
Geospirillum barnesi, Geospirillum arsenophilus, Bacillus arsenicoselenatis and
Desulfutomaculum auripigmentum use As(V) as a terminal electron acceptor in
their respiratory process (Vaxevanidou et al. 2012). Microbial sulphate reduction
results in sulphate and As(V) reduction to sulphide and As(IIl), respectively, which
precipitates as As,S3. Since As(III) is more soluble and mobile compared to As(V),
therefore As(III) reduction may result in subsequent leaching (Bolan et al. 2014).
Thus, one of the mechanism causing As mobilization in soil is the reduction of As
(V) to mobile As(III) in the aqueous medium. On the contrary, microbes may cause
As(IIT) oxidation to As(V) which is then precipitated via Fe ions (Chandraprabha
and Natarajan 2011). Bacterial species, such as Agrobacterium tumefaciens,
Alcaligenes faecalis, Bacillus and Geobacillus, are capable to cause enzymatic
oxidation of arsenite into arsenate by synthesizing arsenite oxidases (Yamamura
and Amachi 2014). During As(V) oxidation to As(IIl), bacteria obtain an electron
required for their metabolism. This mechanism of transferring As(V) into less toxic
As(III) is generally regarded as a process of detoxification (Ghosh et al. 2015).
Bahar et al. (2012) isolated a new As(IIl)-oxidizing bacterium Stenotrophomonas
sp. from a low As-containing soil.

Soil microorganisms may also cause indirect release of As in soil solution by
reductive dissolution of soil iron oxides. Numerous reports highlighted the ability
of certain bacteria to release As by catalytic reduction of ferric oxides (Bolan et al.
2014). Iron plaque is formed on plant roots by iron oxidizing bacteria or abiotic
oxidation (Weiss et al. 2003), which serves as ideal substrates for iron-reducing
bacteria due to crystalline or amorphous structure (Hansel et al. 2001). However,
some authors reported that the Fe(III) reduction may result in a secondary Fe phases
which can sorb As (Kocar et al. 2006; Tufano et al. 2008). Soil microbes can also
affect As bioavailability indirectly by affecting soil P status. Bai et al. (2008)
reported that arbuscular mycorrhizal fungal inoculation enhanced As bioavailabil-
ity compared to non-inoculated maize plants. Similarly, Yu et al. (2009) showed
decreased As bioavailability in soil after arbuscular mycorrhizal inoculation.

The transfer of toxic inorganic As to less toxic organo-arsenical species is termed
as methylation that occurs via soil microbial activity. The methylation of inorganic
As to organic As is considered to be a tolerance/detoxification mechanism adopted by
some microorganisms (Zhang et al. 2015). During this process, CH3 groups replace
one or more OH groups resulting in the formation of monomethylarsonic and di- and
tri-methylarsines (O’Neill 1995). During methylation, As(V) is converted to As(IIl)
followed by several step process to form organic As compounds, such as MMA(V),
DMA(V), TMA and finally trimethylarsine (Rahman et al. 2014). Methylation may
take place under aerobic or anaerobic environmental conditions by a variety of
microorganisms. Under anaerobic conditions, some yeasts, fungi and bacteria can
volatilize (AsHj), the methylated As (Suess and Planer-Friedrich 2012). During
methylation, a significant amount of As may be lost from soil by volatilization.
However, this As loss via methylation never exceeds 0.01% of the total As emissions
from natural sources (Woolson 1983).
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Soil-Plant Transfer of As

Generally, As is considered non-essential for living plants and other organisms;
however, As is naturally found in plants. Some studies even reported the beneficial
effect of As to plants at very low concentrations (Gulz et al. 2005). Arsenic
concentration in plants seldom exceeds 1.0 mg kg~ ' (Adriano 2001). Austruy
et al. (2013) reported that the As content was less than 0.1% of dry matter in
Agrostis  capillaris, Solanum nigrum and Vicia faba when grown on
As-contaminated soil. Arsenic uptake by plants is mainly through roots (Neidhardt
et al. 2015), which can be via active (requires energy) or passive pathways (does not
require energy). Arsenic uptake by plants relies on its speciation and concentration
in soil and correlate to bioavailable/extractable As level in soil (Martinez-Sanchez
et al. 2011). Arsenic mainly enters the plant in inorganic form (Neidhardt et al.
2015) via transporter proteins, which is likely governed by the concentration
gradient of As between plant cells and growth media. Till date, no As-specific
transporters for uptake by plants have been reported (Ghosh et al. 2015). It is
reported that As(V) enters the plants through P cell channels (Ghosh et al. 2015).
Lei et al. (2012) used synchrotron X-ray microprobe and revealed that P and As
(V) were cotransported via P channels. The cotransportation of P and As(V) inside
plants can be increased by P deficiency or As(V) exposure but restrained by energy
release inhibition caused by sodium orthovanadate or 2,4-dinitrophenol.

The P channels responsible for As(V) entrance to plants are formed by proteins
called P transporter proteins (PHT) (Smith et al. 2003; Nussaume et al. 2011). In
Arabidopsis thaliana, nine PHT1-9 have been identified. It is hypothesized that
PHT4 and PHT1 may be involved in As(V) uptake, but the relative combinations
of PHTs are still not well known (LeBlanc et al. 2013). Conversely, the uptake of As
(I is governed by nodulin-26-like intrinsic proteins (NIPs). In contrast to PHT
proteins, NIP transporter channels are bidirectional. Therefore, As(IIl) may move in
both directions depending on the concentration gradient between the growth medium
and the cells. Arsenite and organic arsenic species are also reported to pass through
the Si influx (LSi;) and Si efflux transporters (LSi,) to be taken up and transported
from soil solution to the xylem stream (Li et al. 2009; Mitani-Ueno et al. 2011).
Among these transporters, LSi; allows the bidirectional movement of Si and arsenite,
through which Si/arsenite enters from soil solution to the root cells and some of the
arsenite is excluded from the cytosol to the external medium, while LSi, is an efflux
transporter present in the endodermis of the root cells and facilitates the exclusion of
Si/arsenite into the stele and xylem cells. However, As hyperaccumulator ferns, such
as Pteris vittata and Pityrogramma calomelanos, are reported to uptake As(IIl) via a
different set of proteins (Niazi et al. 2012). Therefore, further study is needed in this
regard. Recently, Xu et al. (2015) reported that under arsenite stress conditions,
Arabidopsis NIP3;1 plays a key role towards As uptake by plants and its translocation
to aerial parts. The Arabidopsis NIP3;1 mutants resulted in reduced As accumulation
in plant shoots and enhanced arsenite tolerance compared to wild-type plants.
Similarly, NIP3;1 NIP1;1 double mutant exhibited enhanced root and shoot growth
and strong arsenite tolerance under high arsenite level.
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The ability of a plant to uptake metalloids is generally represented by soil-to-
plant transfer factors (Xiong et al. 2014), which depend on soil type, As speciation
and concentration, type of plant species, plant age and the presence of chelating
agents/transporters in the roots. Soil-to-plant transfer factors for As normally range
from 0.01 to 0.1 for non-hyperaccumulating plants and greater than 1 for
hyperaccumulator plants. It is reported that the As soil-plant transfer decreased
with increasing As concentration in the hydroponic media (Mallick et al. 2011).
Similarly, As sequestration on thiol ligands and Fe oxide plaques in plant roots also
results in reduced As uptake by plants (Pan et al. 2014; Neidhardt et al. 2015;
Matsumoto et al. 2015). Moreover, the presence of arbuscular mycorrhizal fungi on
plant roots also restricts As plant uptake (Yang et al. 2009). Similarly, some authors
reported variation in As soil-plant translocation efficiency caused by the type and
properties of soil (Gulz et al. 2005) higher As soil-plant transfer on sandy loam soil
(4.7%) than silty loam soil (0.4%).

In majority of the plant species (mostly non-hyperaccumulators), plant roots
commonly accumulate major portion of As, and a small part is translocated from
root to shoot (Austruy et al. 2013). Arsenic sequestration in plant root tissues can be
200 times higher than in the shoot (Smith et al. 2008), suggesting that roots are
responsible for accumulating most of the As in the plants (Madejon and Lepp
2007). The increased uptake of As in plant root tissues has been reported in Zea
mays, Helianthus annuus (Neidhardt et al. 2015), Oryza sativa (Rahman et al.
2011), Phaseolus vulgaris (Ye et al. 2010), Hydrilla verticillata (Xue and Yan
2011), Triticum (Shi et al. 2015) and Solanum lycopersicum (Cobb et al. 2000). The
percent accumulation of As in plant roots varies with rhizosphere As concentration,
As speciation and plant type (Rahman et al. 2014). The reason behind increased
sequestration of As in plant roots and decreased translocation to other parts of the
plant is not well explained in the literature. However, it is reported that root to shoot
transfer of As is greatly influenced by phosphate nutritional status, which hinders
As transfer from the roots towards other aerial parts of the plants. It is reported that
low- and high-affinity plasma membrane carrier proteins have a more attraction for
phosphate than As(V) (Meharg and Macnair 1990). The presence of phosphate
greatly affects root to shoot translocation of As(III) compared to As(V) (Abedin
et al. 2002). The root to shoot translocation of As varies with plant species. Arsenite
mainly accumulated in xylem sap of Pteris vittata, Oryza sativa, Cucumis sativus
and Solanum lycopersicum, while As(V) predominated in xylem sap of Holcus
lanatus, Brassica juncea, Triticum aestivum and Ricinus communis exposed to
either As(V/II) (Ye et al. 2010). Hyperaccumulator plant species accumulate a
major portion of absorbed As in the aerial parts of plants (Francesconi 2002).

Arsenic translocation from root to shoot and percent accumulation in different
plant tissues greatly relies on As speciation. Raab et al. (2007) reported that DMA
(V) translocation from root to shoot was 3 and 10 times higher than As(V) and MMA
(V), respectively, for 46 corn species grown under hydroponic conditions. Abedin
et al. (2002) reported that the translocation of As(IIl) or As(V) was significantly
higher than that of MMA and DMA. Smith et al. (2008) reported that arsenite was the
dominant species (57-78%) of the total As concentration, while As(V) comprised
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between 16 and 27% in rice roots. Rice grains can accumulate up to 89% of DMA
(Williams et al. 2005; Ackerman et al. 2005). Quaghebeur and Rengal (2004)
reported that As(IIT) comprised between 67 and 90% of the total As in the roots of
Arabidopsis thaliana. Xue and Yan (201 1) showed that As(V) was the dominant form
in roots, and As(IIT) was the dominant form in leaves of Hydrilla verticillata.

Arsenic Hyperaccumulators

Remediation of As-contaminated soil is indispensable to save the environment from
their hazardous effects (Niazi et al. 2011, 2012; Ullah et al. 2015a, b). Elimination
of metalloids from contaminated soil is a challenging task owing to practical/
technical complexity and cost involved (Barcelé and Poschenrieder 2003). During
the last two to three decades, several bio-physico-chemical techniques have been
developed to extract metalloids from contaminated sites. Among these,
phytoremediation is reported to be the most effective because of its eco-friendly,
natural, economical/feasible, sustainable and practical nature (Arshad et al. 2008;
Ullah et al. 2015a, b; Sabir et al. 2015). Phytoremediation is based on the mecha-
nism that certain plant species have the potential to detoxify and remediate polluted
sites by eliminating the pollutants from soils (Smith et al. 2008). Meharg and
Hartley-Whitaker (2002) summarized in detail As hyperaccumulators. They
reported that As hyperaccumulators grow well on As-contaminated soil because
these plants possess an efficient defensive/tolerance mechanism for As uptake,
conversion, detoxification and removal. These plants can accumulate 100 times
As than the tolerant or normal non-accumulating plants (Wei and Chen 2006;
Khalid et al. 2017). Moreover, hyperaccumulating plants have high (> 1.0) trans-
location factor from roots to shoot (Wei and Chen 2006).

A number of plant species have been reported to sequester excessive amounts of
As without incurring damage to basic biochemical processes (Cytisus striatus,
Holcus lanatus, Pteris vittata, Pteris cretica, Pityrogramma calomelanos) (Niazi
et al. 2012). Among these, Pteris vittata is reported to be the most effective and can
accumulate up to 22,630 mg/kg As in the fronds (Wang et al. 2002). Niazi et al.
(2011) showed that P. calomelanos var. austroamericana (gold dust fern) accumu-
lated up to 1600 mg As kg~ dry weight after 10 months of growth at a historic
cattle dip site in NSW, Australia. However, the use of ferns in field conditions is not
highly practical due to slow growth rates and low light-intensity requirement to
flourish. Singh et al. (2010) compared the accumulation and tolerance potential of
12 Indian ferns and reported that Pteris cretica, Pteris vittata, Nephrolepis exaltata
and Adiantum capillus-veneris can be considered as As accumulator based on the
As uptake in different plant parts.

Arsenic hyperaccumulators can operate well even under high-soil As situations.
In fact, metal hyperaccumulators have evolved or naturally contain a very complex
defence mechanism to avoid metal-induced tissue dysfunctioning and cell injury
(Shahid et al. 2014g). In As hyperaccumulating plants, after As uptake several
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defence mechanisms become active by which they tolerate metal toxicity (Tang
et al. 2010). These processes help plants to keep the level of As(V) or As(IIl) in
different plant tissues (especially sensitive tissues like leaves) that do not harm the
plants. These defensive mechanisms include active and increased excretion, As
binding to the cell wall, restricted As distribution to sensitive tissues, As chelation
by organic molecules and sequestration in vacuoles. The compartmentalization of
As in above ground plant cell vacuoles plays key role in the arsenic
hyperaccumulation in Pteris vittata (Shen et al. 2014). However, the mechanism
(s) of As transfer to above ground plant cell vacuoles are not well known. In
addition to vacuolar compartmentation, most of the defence mechanisms in Pteris
vittata against As toxicity rely on enzymatic antioxidant systems (catalase,
dismutases, peroxidase, dehydroascorbate reductase, monodehydroascorbate
reductase and glutathione reductase) and metabolic compounds (glutathione,
phytochelatins, tocopherols and carotenoids).

Hyperaccumulating plants are capable to detoxify metal-induced ROS produc-
tion via increased levels of these antioxidant enzymes and metabolic compounds
(Shahid et al. 2014g). In contrast to other metal hyperaccumulating plants, As
hyperaccumulators transport the As towards aerial parts and store it in the leaf
vacuoles. Arsenic transfer towards aerial plant parts and subsequent sequestration
in leaf vacuoles are achieved with the help of different peptides and proteins. In As
hyperaccumulator plants, AR enzyme reduces As (V) to As (III), which is then
complexed with free thiol groups followed by storage of the arsenite-thiolate
complex in vacuole (Shen et al. 2014).

Threshold Levels of As in Soil, Water and Food

Humans can be exposed to As via several pathways, crops—soil-water being the
major pathways (Khan et al. 2009). Groundwater contaminated with high levels of
As has been reported worldwide, Bangladesh and West Bengal, India, facing the
most serious groundwater As problem in the world (Bundschuh et al. 2012).
Keeping in view the toxicity of As, the World Health Organization, Food
and Drug Administration and USEPA set the As standard for drinking water at
10 pg L™, It has been reported that when drinking water levels of As are at the
WHO’s 10 pg/L limit, 0.05 mg/kg As in rice contributes to 60% of the dietary As
exposure (Williams et al. 2009). However, the Department of Environmental
Protection for New Jersey (NJDEP 2006) has set a drinking water limit of As at
5 pg L' In some countries like India, Bangladesh, Pakistan, China, Taiwan and
Vietnam, the threshold level of As is still 50 pg L™ (Nriagu et al. 2007). The WHO
has reported the median lethal dose of 1-5 mg As/kg in humans. It is reported that
exposure to 70-80 mg of As,O5 by ingestion can be hazardous for human beings
(Vallee et al. 1960).

Although not standardized, the general threshold limit of As in soil is 24 mg kg~
regarding human health safety that needs a toxicological risk assessment and
50 mg/kg for agricultural soils (MAFF 1993). According to Karczewska et al.
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(2013), the threshold level of As in Polish soils used for recreation, forestry and
agriculture is set at 20 mg kg~ '. Inorganic As has an oral LD50 between 11-150 mg
As kg~ ' and 15-293 mg As kg~ ' bodyweight in laboratory animals and rats,
respectively (Ng 2005). In countries, such as Australia, Argentina, Chile, Hungary,
China, Peru, Mexico, Thailand, Taiwan and the United States (O’Reilly et al. 2010),
the total As concentrations in groundwater and soil exceeding the limit established by
the USEPA (10 pg L' and 20 mg kg ', respectively) have been found
(USEPA 2015).

Arsenic threshold level in most food crops is not yet finalized by many regula-
tory authorities and organizations. For example, Llorente-Mirandes et al. (2014)
reported that no limits exist in the European Union on As, either inorganic or total,
in foods (European Union Regulation 1881/2006) (Llorente-Mirandes et al. 2014).
On the other hand, China has a maximum allowable concentration of total As in
mushrooms of 0.5 and 1.0 mg As kg~ ", for fresh and dry mushrooms, respectively
(MHC 2005). Recently, the European Food Safety Authority (EFSA) and the
FAO/WHO Joint Expert Committee on Food Additives (JECFA) (FAO/WHO)
evaluated dietary exposure to As and reported the urgent need for further data on
As species in food commodities, in order to improve the background data for future
risk assessment analysis. Several proficiency tests on As in different foodstuffs have
been organized (de la Calle et al. 2012).

Conclusions and Remarks

In this review, we have comprehensively compiled, compared and evaluated the
literature concerning biogeochemical behaviour of As (chemical speciation and
bioavailability in soil and uptake by plants) under different soil conditions. This
information is useful for understanding the biogeochemical behaviour of As in soil-
plant system. Arsenic contamination of soil and water occurs via anthropogenic and
natural sources. Anthropogenic activities include mining, industrial activities and
the use of pesticides in agriculture and wood preservative. Natural As sources
contribute major parts towards As soil and water contamination and include
weathering and erosion of rocks and minerals and biological processes. Threshold
levels of As in soil, plant and water as well as their assessment methods are not well
established so far, in many countries worldwide. Arsenic occurs naturally in various
chemical species in soil which varies greatly regarding their biogeochemical
behaviour. Total soil As concentration is a poor proxy for predicting biogeochem-
ical behaviour of As in soil. The chemical species and distribution of As in soil are
governed by a number of reactions that involve adsorption/desorption, precipita-
tion/dissolution and As-ligand complex formation. These highly dynamic soil
processes vary with the variations in soil physico-chemical properties (pH; soil
texture; organic matter; P, Fe, Mn and Al oxides; biological and microbial condi-
tions; metal burdens; and the presence of organic and inorganic ligands). Plants
uptake As via roots by phosphate and silicon transporters. No As-specific
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transporter has been identified so far for As phyto-uptake. As is sequestered mainly
in plant root with very low translocation in above ground plant parts. As
hyperaccumulators store As in vacuoles as a detoxification mechanism. Knowledge
of As speciation in soil-plant system is ideal in the context of soil remediation and
risk assessment studies.
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Pollutant Decontamination from Water:
Role of Nanocomposite Materials
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Abstract Rapid industrialization, urbanization, population growth, and climate
change are responsible for contamination and depletion of water resources. Scarcity
of fresh and pure water is considered as a biggest threat to human and animal life.
For the last two decades, water purification technologies are gaining more and more
attention of the public and governmental bodies. Researchers around the globe are
focusing on nanotechnology-based water purification/treatment systems for effi-
cient and effective decontamination of water bodies. Nanoscale composite mate-
rials have a huge potential to decontaminate water in several ways, due to their
high surface area, excellent mechanical strength, high chemical reactivity, and
cost-effectiveness. Nanoscale materials are able to remove bacteria, viruses, and
inorganic and organic materials from wastewater due to specific binding action
(chelation, absorption, ion exchange). A number of nanocomposite materials are
playing active role in water purification, for example, metal nanoparticles, bioactive
nanoparticles, nanosorbents, nanocatalysts, nanomembranes, carbon nanotubes,
many other nanoforms, etc. This chapter discusses the application of different
nanocomposite materials in the treatment of wastewater along with their
mechanistic approach.
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Introduction

Toxic heavy metal ion and pathogenic bacterial contamination in water bodies is a
serious issue of water pollution, worldwide. With the rapid extension of urbaniza-
tion and industrializations, these sewage and heavy metals are regularly discharged
into the natural water resources and damage the aquatic environment and pollute
the water (Rawat et al. 2009; Pereira et al. 2010; Wade et al. 2015). Unlike organic
pollutants, heavy metal ions are not biodegradable and have a capability to accu-
mulate in living beings which are extremely harmful to human health (Fu and Wang
2011). Directly or indirectly, when these heavy metal ions are being inhaled or
consumed through food or water, they cause severe damage to the body parts.
However, these metal ions play important role in cellular function of living beings
within a specific concentration range. The metal ions can be considered safe less
than the toxicity range. The increment in metal ion concentration beyond the
permissible limits causes various cytological and physiological effects. Different
types of metal ions and their permissible limits laid down by the WHO together
with their physiological effects are shown in Table 1. The main sources of heavy
metal ion in water bodies come from industrial by-products, cosmetics, automo-
biles, and effluents released from electroplating industries and organic toxic pol-
lutants such as pesticides, herbicides, chlorophenol, dyes, and industrial and
pharmaceutical by-products discharged.

In addition to heavy metals, several toxic organic compounds (chlorophenols,
dyes, etc.) enter the environment through various anthropogenic and industrial
operations (USEPA 2002; Khan et al. 2011a; Sitea 2001). Chlorophenols are
mainly used in herbicides, insecticides, fungicides, and wood preservative prepa-
ration. Chlorophenol compounds and derivatives are highly toxic and persistent in
the environment and cause gastrointestinal problems, carcinogenicity, and many
other severe effects on organisms (Khan et al. 2011b). Colored wastewater
containing toxic and complex dyes is another big problem to be dealt with effec-
tively. Dyes, whether acidic or basic, cause adverse effects to human beings and
animals such as asthma, dermatitis, tearing, eye irritation, convulsions, gastritis,
tremors, renal failure, vertigo, and coma in humans (Chen et al. 2009). The
contamination of these dyes in the water bodies causes serious environmental threat
to human health (Asad et al. 2007). All above pollutants are released in to our
environment without proper treatment, which lead to contamination of soil and
water bodies and create serious environmental problem.

Previously, a number of methods including chemical precipitation, flotation,
coagulation-flocculation, ion exchange, and membrane filtration have been used for
the treatment of metal ions and organic pollutants from water (Kurniawan et al.
2006). However, the ion-exchange material has gained popularity for being more
selective and less expensive as compared to other methods. For the separation of
metal ions, a large number of organic and inorganic ion-exchange materials have
been synthesized; however, they are associated with certain limitations (Nabi et al.
2011). Application of nanoparticles as a photocatalyst for degrading these
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Table 1 Maximum permissible limits of metal ions in water limits and their major effects

WHO
limits
Metal ions | (mg/L) | Major effects References
Arsenic 0.05 Gastrointestinal effects and the disorder in | Hughes et al. (2011),
(As) central and peripheral nervous system Patel et al. (2012)
Lead (Pb) 0.05 Kidney malfunctioning, anemia, hemato- Adrrienne and Anne
logical as well as brain damage (2010), Liu et al. (2008)
Cadmium 0.01 Lung effects in the form of bronchial and Ercal et al. (2001a)
(Cd) pulmonary irritation
Cadmium 0.01 Lung effects in the form of bronchial and Hu and Long (2016),
(Cd) pulmonary irritation Gorguner and Akgun
(2010)
Chromium 0.1 Asthma, nasal itching, soreness, carcino- Dayan and Paine
(Cr) gen, shortness of breath, coughing, wheez- | (2001), Dey and Roy
ing, bronchitis, and pneumonia (2009)
Copper 3.0 Arthritis, fatigue, adrenal burnout, insom- Selvaraj et al. (2011)
(Cu) nia, scoliosis, osteoporosis, heart disease,
cancer, migraine headaches, seizures, tooth
decay, skin and hair problems
Aluminum | 0.2 Alzheimer’s disease as well as other neuro- | Galindo et al. (2015)
(Al) toxic effects
Manganese | 0.1 Effects on the CNS, including slowed visual | Fryzek et al. (2005)
(Mn) reaction time, hand steadiness, and
eye-hand coordination
Nickel (Ni) | 0.2 Nickel dermatitis; itching of the fingers, He et al. (2014)
hands, and forearms; lung and nasal cancers
Mercury 0.002 Effects on the CNS including erethism, Kobal et al. (2004)
(Hg) irritability, excessive shyness, tremors,
blurred vision, malaise, speech difficulties
Iron (Fe) 0.3 Hemorrhagic gastritis and enteritis with loss | Puliyel et al. (2015)
of blood, induce oxidative stress, and DNA
damage
Zinc (Zn) 3.0 Papular-pustular skin eruptions in the axilla, | Hashemi et al. (2007)
inner thigh, inner arm, scrotum, and pubic
areas

pollutants is also an attracting increasing interest. Since nanomaterials have a large
surface to volume ratio (greater number of free valences) and porosity, they can be
used as an excellent photocatalyst in removing toxic pollutants from natural water
streams. In some cases, a polymer backbone has also been incorporated within the
nanocomposite for getting special properties like lightweight, increased electric/
heat conductivity, enhanced mechanical properties and magnetic properties (Guo
et al. 2008), and even improved shape replicability (Huang et al. 2006).

Recent developments in the synthesis and application of nanomaterials have
greater impact on research and development due to revealing innovative properties
of nanoscale materials. One of the significant advancement in material synthesis
is the capability of fabricating materials with well-defined size and shape in
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nano-range with specific compositions. Nanocomposite is also included in nano-
dimensional phases with distinct structure and chemistry, thereby offering different
mechanical, electrical, optical, electrochemical, catalytic, and structural properties
from those of their components. Nanocomposite powders have been prepared
directly by the mechanical mixing of powders known as mechanosynthesis
(Matteazzi and Le-Caer 1992; Nawa et al. 1994) and chemical methods involving
the reduction in hydrogen of suitable oxide precursor’s hydrothermal methods
(Sultana et al. 2015a, b). There are several other routes to prepare materials from
oxide precursors. Intimate oxide mixtures have been obtained by the sol-gel route
(de-Resende et al. 2009; Oves et al. 2015). The nanostructure materials thus
obtained offer a promising platform for high-performance catalysis, photocatalysis,
and electrocatalysis systems (Dai et al. 2008; Xie et al. 2009; Liu et al. 2009).
During the last decade, it has been employed in medical sciences in several ways
like imaging (Waren and Nie 1998), sensing (Vaseashta and Dimova-Malinovska
2005), targeted drug delivery and gene delivery systems, and artificial implants
(Farokhzad et al. 2006). The new-age drugs are based on nanoparticles of polymers,
metals, or ceramics, which can fight conditions like cancer and infectious disease
(Azam et al. 2012). For more than one century, peoples know the benefits of silver.
Due to this reason, silver-based materials and compounds have been used to control
bacterial infection (Nomiya et al. 2004; Oves et al. 2013; Jain and Pradeep 2005).
The present chapter also includes the synthesis, characterization of polyaniline
ion-exchange materials, and their application for the removal and recovery of
metal ions from wastewater.

Nanocomposite Material for Inorganic Metal Ion
Remediation from Wastewater

For more than a decade, nanocomposite materials have been used to extract and
pre-concentrate a wide range of trace elements. These nanocomposites exhibit
different binding affinities toward trace elements owing to the presence of various
functional groups. A number of nanomaterials have been used to study the trace
elements in environmental samples, including river water (Tuzen and Soylak 2007),
lake water (Wang et al. 2013), tap water (Guo et al. 2011), mineral water, under-
ground water (Wang et al. 2012), rainwater, wastewater (Yang et al. 2012), and
drinking water (Sadeghi and Garmroodi 2013). Among these materials,
polyaniline-based nanocomposite (ion-exchange) materials have been successfully
employed owing to their use in diverse fields including wastewater treatment. Poly-
o-toluidine-based nanocomposite and poly-o-toluidine Ce(IV) phosphate
ion-exchange materials were synthesized for the analysis and removal of metal
ions. It has been used as an indicator electrode for the detection of Cd(Il) in
electrometric titrations (Khan et al. 2011a, b; Khan and Shaheen 2013). The
maximum adsorption of metal ion on the nanocomposite material was confirmed
by the physicochemical properties (effect of eluent concentration, elution behavior,
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and pH titration studies). An advanced PANI-zirconium titanium phosphate (PZTP)
nanocomposite cation exchanger was fabricated from the sol-gel method by the
mixing of polyaniline inorganic precipitate with zirconium titanium phosphate
(Khan et al. 2010; Khan and Paquiza 2011; Shahdat et al. 2015). These
nanocomposite materials have surprisingly high ion-exchange capacity with better
chemical and thermal stability. The excellent ion-exchange capacity of this material
makes it useful for the removal and recovery of Hg*" and Pb*" ions from environ-
mental waste samples and detection range for Hg>™ ions with a wide dynamic range
from 107" to 10~ mol m > (Khan et al. 201 1a, b). Similarly, poly-o-anisidine Sn
(IV) tungstate nanocomposite cation exchanger was also reported for the removal
of Hg*" ions from wastewater sample (Khan et al. 2012; Khan and Shaheen 2013).
A novel PANI/Ti(IV) tungstate composite material was prepared by sol-gel route at
pH 1.0 (Nabi et al. 2011). Amorphous morphology of nanocomposite was revealed
on the basis of XRD and SEM analyses. Alkali and alkaline earth metals were
employed for the determination of ion uptake capacity of the composite material.
The material demonstrated improvement in ion-exchange capacity as well as
thermal and chemical stability. It can withstand up to 300 °C with 98% retaining
of the initial ion-exchange capacity. The distribution coefficients (K4) of metal ions
were observed in nonionic, cationic, and anionic surfactant systems with various
concentrations. On the basis of K values, the material was found to be selective for
Pb”, Hg”, Bi‘”, and Zr** ions. The detection and quantification limits for Pb>"
ion were 0.85 and 2.85 pg/L, respectively. The nanocomposite material has been
explored by achieving some selective separations of metal ions from industrial
effluents and natural water. PVC-supported membranes of a PANI-TiP cation
exchange nanocomposite were prepared via the solution casting technique in
different mixing ratios of PVC and PANI-TiP (Khan et al. 2012). The membrane
with a 1:1 ratio of PVC and PANI-TiP was reported best for electrical conductivity,
water content, porosity, thickness, and swelling capacity. The Ky values of metal
ions were also determined using the PANI-TiP nanocomposite in various concen-
trations of DMW, HNO;, H,SO,4, and CH3;COOH solvents. On the basis of higher
K4 values, the PANI-TiP nanocomposite was found to be selective for Pb>* ions.
To utilize this material as a potentiometric sensor, an ion selective electrode was
developed for the detection of lead ions in solution. The membrane was found to be
mechanically stable, with a fast response time that covered a wide dynamic range,
and could be used for at least 5 months. Similarly, Shahadat et al. (2012) have also
synthesized titanium-based semicrystalline PANI-Ti(IV)As nanocomposite
ion-exchange material by sol-gel route. It was a thermally stable ion-exchange
material and with ion uptake capacity of 1.37 meq g~ ' for the Na™ jon and ability to
measure electrical conductivity and photochemical degradation of an organic
pollutant. The photochemical activity of PANI-Ti(IV)As nanocomposite can be
used for the photochemical degradation of AB-29 and as a conducting material. In
spite of cation exchange material, PANI-Ti(IV) nanocomposite can also be
employed diversely (a conducting material and a photocatalyst). In another study,
Pérez et al. (2015) have prepared nano-hydrotalcite (nano-HT) particles with silica
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for the retention of chromium(VI) through anion-exchange mechanism. It exhibits
excellent adsorption capacity up to 4 mg/L of Cr(VI) from solutions. Further, the
adsorption behavior of nanocomposite was determined by Freundlich isotherm,
suggesting a nonuniform surface. The nano-HT can be effectively applied for the
separation of Cr(VI) in industrial wastewater. Similarly, amorphous PANI-Ti(IV)
arsenophosphate (PANI-Ti(IV)As(IV)P) nanocomposite was synthesized by simple
chemical route (Bushra et al. 2014). On the basis of the high K4 values, some heavy
toxic metal ion separations were achieved from synthetic mixtures and natural
water samples. Further the nanocomposite material was also examined for its
conducting behavior and antimicrobial activity as well as photocatalytic degrada-
tion of industry dye.

Recently, Zeng et al. (2015) synthesized chitosan/rectorie (CTS/REC)-based
nano-hybrid microsphere by mixing varying proportions of 2:1, 3:1, and 4:1 of
CTS and REC. The nano-hybrid composite microsphere prepared from a 2:1 ratio
has good sorption capacity toward heavy metal ions Cd(II), Cu(Il), and Ni(II). The
adsorption behavior of the microsphere was examined for metal ion in single and
binary mixture of metal systems. Another silica-based mesoporous nanocomposite
adsorbent 4-dodecyl-6-(4-hexyloxy phenyl diazenyl) benzene-1,3-diol (DPDB)
was prepared for the separation of Ce(IlI) ions from the industrial effluent. Novel
fourth-generation polyamidoamine (PAMAM) dendrimers with ethylenediamine
cores (G4-OH) were prepared via the sol-gel chemical route (Barakat et al. 2013).
The remediation of heavy metal ions from a synthetic mixture of Cu”, Cr3+, and
Ni*" ions was done by novel PAMAM-TiO, composite material. Significant
parameters including the pH of the solution, the retention time, the concentration
of metal ions, and the material dosage were explored in the proficient removal of
metal ions. The batch remediation experiment was conducted to establish the
performance of PAMAM/G4-OH nanocomposite toward Cu*t, ¢, and Ni**
ions due to the formation of metal chelates. It was also observed that the maximum
metal ion recovery was achieved upon equilibration after 1 h at pH 7 for Cu®" and
Cr’" ions and at pH 9.0 for the Ni(Il) ion. The successful removal of Cu®", Ni*™,
and Cr’" ions suggested that the nanocomposite of PAMAM/G4-OH can be used
for the treatment of metal ions from industrial wastewaters. In another study,
organic ligand embedded nano-conjugate adsorbent N,N(octane-1,8-diylidene)di
(2-hydroxyl-3,5-dimethylaniline) (NCA) was synthesized and anchored onto inor-
ganic mesoporous materials by direct immobilization of Co(II) ions (Awual et al.
2015). Its maximum sorption capacity was up to 165.83 mg/g Co(Il) ions. The
presence of other coexisting metal ions did not decrease the Co(II) sorption
capacity, and the NCA adsorbent had almost no sorption capacity to these
coexisting metal ions, which suggested the high sorption selectivity of NCA to
Co(II) ions at optimum conditions. The obtained data also clarified the efficient and
eco-friendly nature of NCA adsorbent for the treatment of Co(Il) ions. Therefore,
the proposed adsorbent can be considered as a potential candidate for the removal
of Co(II) ions from wastewater.
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Nanocomposite Materials for Organic Pollutant Treatment

Syntheses of new nanocomposite materials with excellent adsorption and regener-
ative capacities are getting more attention in recent environment-related research.
In this regard, polypyrrole (PPy) is considered as one of the most commonly used
conducting polymer owing to its simple synthesis, nontoxicity, and environmental
stability. The existence of positive charges on the nitrogen atoms in PPy facilitates
the good adsorption capacity through ion exchange. PPy has capability to undergo
protonation or deprotonation during treatment with acid or base. Therefore, the
combination of PPy with TiO, demonstrates excellent abilities of adsorption and
regeneration. Organic pollutant adsorption/deposition on novel TiO,-coated
polypyrrole (PPy/P25 or PPy/TiO,) composites was performed to remove industrial
dye (Feng et al. 2015). The adsorption studies showed that the nanocomposites of
PPy/TiO, have higher adsorption capacities of methylene blue dye at a high
pH. Further, thermodynamic and kinetic parameters were also determined, and
pseudo-second-order adsorption behavior was well described by the model and
Langmuir isotherm model. However, adsorption capacity of PPy/TiO, was 3.6 and
5.5 times higher than either PPy/P25 or pure PPy in initial 30 min, respectively. The
thermodynamic studies specified the spontaneous and endothermic nature of the
adsorption. The regeneration experiments demonstrated that PPy/TiO, can be
reused at least seven times without the loss of its original adsorption capacity.
Thus, the PPy/TiO, nanocomposite can be considered to be a stable adsorbent for
the removal of dye. Desorption studies showed that CH;COOH (1.0 M) was an
appropriate desorption agent and, after being activated with NaOH (0.1 M), the
PPy/TiO, composite could be reused six times without an appreciable loss of its
original capacity. The material was also compared with activated carbon and
showed significant results in terms of adsorption equilibrium time and adsorption
and regeneration capacities relative to activated carbon. Thus, the nanocomposite
of PPy/TiO, can be effectively used for the analysis of industrial dye from
wastewater.

Xiong et al. (2004) improved the photocatalytic efficiency of TiO, with PANI
and develop PANI/TiO, microtubes in the form of microchannels, by using a
two-step template method: (i) an anodic aluminum oxide membrane for template
and (ii) sol-gel method. The PANI/TiO, nanocomposite showed high
photodegradation that simultaneously increased with decreasing ratios of PANI/
TiO,. The photocatalytic degradation of the nanocomposite was also confirmed by
the accompanying decrease in peak intensity in the FTIR spectra at 1235 cm ™',
which was attributed to the C-N stretching mode for the benzenoid unit and the
depigmentation of the powders due to the visible light scattering caused by growing
cavities. The elemental and XPS analyses of the composite showed that the bulk
and surface concentrations of N decreased with irradiation. On the basis of its
efficient photolytic degradation, the PANI/TiO, nanocomposite is potentially via-
ble and can be used as a photodegradable agent (Bushra et al. 2014).
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The fabrication of a Bi,S;-TiO, heterojunction/polymer fiber composite and its
activity toward the degradation of MB via Xe lamp irradiation have been reported
earlier by Ma et al. (2012). The polysulfone (PSU)/styrene-maleic anhydride
(SMA) copolymer fibers were prepared by electrospinning. Bismuth ions were
introduced onto the surface of the polymer followed by the incorporation of sulfide
ions under hydrothermal conditions. Finally, TiO, was deposited onto the surface of
the Bi,S; polymer by the reaction of titanium ions in the presence of urea under
hydrothermal conditions. The composite material was tested for the degradation of
MB under Xe lamp irradiation, and it showed a superior degradation rate compared
to Degussa P25 or Bi,S3-TiO,. The rate of degradation indicated that the Bi,S;-
TiO, heterojunction/polymer fiber composites have good photocatalytic activity,
recyclability, and stability under simulated solar irradiation. On the basis of signif-
icant finding, Bi,S;-TiO, heterojunction/polymer nanocomposite can be used for
the photochemical degradation of organic pollutant.

Novel poly(vinyl alcohol)-titanium dioxide (PVA-TiO;) mixed matrix mem-
branes were prepared by incorporating nano-sized TiO, and PANI into PVA and
cross-linking by adding glutaraldehyde (Ma et al. 2007; Toyao et al. 2013). The
membranes were examined for their water uptake capacities and characterized to
identify intermolecular interactions, the degree of cross-linking between the PVA
matrix and glutaraldehyde, and the morphological and thermal differences between
the filled and unfilled membranes. The dehydration of isopropanol by pervaporation
was achieved using the membranes. To evaluate the extent of interaction and the
degree of membrane swelling, sorption studies were performed in pure liquids as
well as feed mixtures of water and isopropanol. It was also observed that with the
addition of small amounts of TiO, into the cross-linked PVA membrane matrix, its
selectivity increased to infinity. Four mixed matrix membranes were prepared, and
their PV performances were compared with the unfilled, cross-linked PVA mem-
brane. It was observed that among all the membranes, the un-cross-linked mixed
matrix PVA-TiO,-PANI-0.5 membrane showed the highest swelling characteris-
tics. These novel, thermally stable membranes have enormous prospective uses in
future applications for dehydrating isopropanol by pervaporation (Lu et al. 2005).

The photocatalytic degradation of methylene blue and rhodamine-B under
visible radiation by the modification of TiO, with PANI (using the facile chemi-
sorption approach) was reported (Zhang et al. 2008). The degradation rate was
compared with P-25 TiO,, and it was concluded that PANI/TiO, showed two times
higher photocatalytic activity than TiO,. The enhanced degradation was due to the
synergic effect and rapid charge, which supported the transport potential of the
photogenerated carrier on the PANI/TiO, interface. On the basis of its higher
photocatalytic efficiency, the PANI/TiO, composite can be used for the purification
of environmental samples. In the same way, other polyaniline-modified TiO,
nanocomposites were synthesized for the photolytic degradation of organic pollut-
ants (Amao and Komori 2003). The PANI/TiO, nanocomposite showed higher
photocatalytic properties and stability than either pure TiO, or PANI in the liquid-
phase degradation of MO under UV-vis radiation. The nanocomposite also indi-
cated the degradation of 4-chlorophenol and MO in a longer wavelength range
(500 nm < A < 800 nm). As a consequence of good synergic effects between
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polyaniline and TiO,, the nanocomposite played an important role for the
photocatalytic degradation and can be applied to the treatment of industrial organic
pollutants (Lu et al. 2005).

A palladium/polymeric pyrrole-sodium film containing sodium dodecyl
sulfonated titanium (Pd/PPy-SLS/Ti) was synthesized for use in electrodes via the
electrochemically reductive dechlorination of 2,4-dichlorophenol (2,4-DCP) in an
aqueous solution containing palladium and polymeric pyrrole (Wei et al. 2012).
The effects of the dechlorination current and the initial pH of the solution were
studied for the removal of chlorine and current efficiency. It was observed that
effective removal of 2,4-DCP was achieved with 100% efficiency, while the current
efficiency was 33.9% in the presence of 100 mg/L 2,4-DCP under an initial pH of
2.36, a dechlorination current of 5.0 mA, and a dechlorination time of 70 min. The
intermediate products were 2-chlorophenol (2-CP) and 4-chlorophenol (4-CP),
while the final product was mainly phenol. The stability of the electrode was
found to be good, as 100% dechlorination efficiency was maintained after eight
reuses. With its high effectiveness, this low cost, stable electrode demonstrated
promise for prospective applications in dechlorination processes. Thus, it can be
used for the treatment of industrial effluents. The details of some important
nanocomposite ion-exchange materials in terms of synthesis, characterization,
and their applications for the treatment of pollutants are shown in Tables 2 and 3.

Mechanistic Approach: How Nanoparticles Remediate
Pollutants from Water

Photocatalytic Activity

The photocatalytic degradation depends upon the light-harvesting efficiency, the
effectiveness of the reaction of the photogenerated electron/hole, and the reaction
of photogenerated electron/holes with substrate molecules. The actual reaction
occurs when nanocrystals are illuminated with light (light energy more than the
band gap energy) and then produce electron/hole pairs. Further holes present in the
valence band and electrons in the conduction band. A fraction of these charge
carriers reach the crystal surface and react with water and oxygen to generate
hydroxyl (COH) and hydroperoxyl radicals (OOH) which then initiate the degra-
dation of the substrate (Bandekar et al. 2014). The photocatalytic degradation
involves the generation of electrons (in conduction band) and holes (in valence
bands) upon irradiation with UV or solar light (Ahmed et al. 2012). These
photogenerated electrons and holes react with water and oxygen to generate
hydroxyl ("OH) and hydroperoxyl ((OOH) radicals which are very reactive and
can easily oxidize the substrate. A fraction of these radicals react with the adsorbed
molecules resulting in to photocatalysis (Fernandez et al. 2010). The photocatalytic
degradation (or oxidation) is rapid, easy, and a very effective method of substrate
degradation (Firooz et al. 2011).
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Table 3 Representative studies on the nano-materials-mediated removal of metals from water

Absorbing
capacity Functional
Nanomaterials Heavy metals (mg/g) pH range References
Aluminosilicate | As(v) 10 5.5 Dousova et al. (2006)
with Fe(IT)
Biochar-AIOOH | As(v) 17.41 7.5 Zhang and Gao (2013)
a-Fe,05 As(IIT) 241 5.6 Mayo et al. (2007)
Zn0, As(IIT) 9.2 7.0 Cui et al. (2013)
Ce0,-ZrO, As(11D) 40.7 - Mayo et al. (2007)
Cul Cd(In) 136 - Gao et al. (2012)
AgNPs Cd(In) 4.67 7 Zuo et al. (2015)
Nitrogen-doped | Cr(III) - 8 Shin et al. (2011)
magnetic carbon
MnFe,0,4 Cr(IV) 31.5 2 Hu and Chen (2005)
Magnetic Co(I) 27.5 - Deng et al. (2003)
chitosan
Multi-walled As(1I), Cd(1I), Cu 10-90 5 Di et al. (2006)
carbon (II), Co(II), Cr(VI), Li et al. (2002)
nanotubes Pb(II), Ni(1I), Hg(II) Tofighy and
Mohammadi (2011)
Atieh (2011)
Carbon Phenol - 2-12 Wisniewski et al. (2012)
nanotubes Acid red Szlachta and Wojtowicz
Triton X series (2013)
Jadhav et al. (2015)
TiO, Red azo die 87 - Belessi et al. (2009)
710, Methylene blue 0.5 7-9 Sandoval et al. (2011)
Fe;04 Orange G 1883 6-8 Chang and Chen (2005)
Neutral red 2 Zhang and Kong (2011)
Cresol red 6-35
Methyl blue 6

The photocatalytic reaction has been studied since the photolysis of water by
TiO, photocatalyst in 1972, and the photogenerated holes or OH radicals can be
powerfully oxidized species to decompose and mineralize a large variety of organic
compounds (Fonzo et al. 2009; Shang et al. 2010). In this view, nanocomposites
have attracted extensive research attentions for many years (Guo et al. 2009).
Numerous studies have concentrated on the degradation of toxic organic com-
pounds present in wastewater via photocatalytic activity of various nanomaterials
(Kim et al. 2004). The photocatalytic process is based on the generation of electron/
hole pairs by means of bandgap radiation; the coupling of different semiconductor
oxides seems useful to achieve a more efficient electron/hole pair separation under
irradiation and, consequently, a higher photocatalytic activity (Wang et al. 2005).
Among the photocatalysts, TiO,, ZnO, and ferrite have been most widely investi-
gated due to their acceptable photocatalytic activity and chemical stability,



Pollutant Decontamination from Water: Role of Nanocomposite Materials 153

non-environmental effect, and low cost. However, if the materials are prepared in
nano-range (1.0-100 nm), their photocatalytic activity is enhanced because of the
large enhancement of surface area. On the other hand, CuQO, an important p-type
narrow bandgap semiconductor, can be used to improve the photocatalytic effi-
ciency of other nanomaterials. Recently, Sultana et al. (2015a, b) reported that
Sn0,-SrO nanocomposites synthesized using hydrothermally method show supe-
rior photocatalytic activity because of their smaller size. The photocatalytic activity
was improved due to the reduction in particle size of the materials which increases
the surface to volume ratio. The photodegradation follows the pseudo-first-order
kinetics. This improvement in photocatalytic activity was further explained by the
fact that photogenerated holes in SnO, might get trapped within the SrO
nanoparticles increasing charge separation and in turn suppressing the recombina-
tion of electron and holes thereby increasing the photocatalytic activity (Firooz
et al. 2011). Nilchi et al. (2010) prepared TiO,-SiO, in a 1:1 ratio for good
photocatalytic activity as well as thermal stability. TiO, photocatalysts have been
widely studied in the context of several applications, such as the purification of
toxic compounds in polluted water and air, dye-sensitized solar cells, hydrogen
production through photocatalytic water splitting, and self-cleaning and
antifogging materials (Al-Ekabi and Serpone 1988; Asahi et al. 2001; Anpo and
Takeuchi 2003; Jie et al. 2012; Kitano et al. 2012). Li and Wang (2010) worked on
ZnO-CuO system for photodegradation of rhodamine B. Ag-TiO, nanostructure
shows good electrochemical active behavior and fast electron transfer to electrode
and hence can be employed for enhanced photodegradation and antibacterial
activities (Crespilhoa et al. 2009). Tian et al. (2009) synthesized TiO,/ZnO
nanocomposite film via sol-gel process from directly mixing TiO,/ZnO sol
followed by heat treatment at 500 °C for 2 h in air and proposed that a heat
treatment of 5 h is necessary for improving photocatalytic activity of the film for
degrading methyl orange dye.

The photocatalytic activity of the nanomaterials can also be employed to explore
their fuel cell potential since certain nanomaterials can use sunlight or UV in order
to produce fuels such as H, and electricity from abundant, nontoxic resources and to
decompose environmental pollutants with benign catalysts that would revolutionize
our civilization (Wang et al. 2009; Lianos 2011). A recent and quite similar concept
has been developed through an alternative nonbiological system in which energy is
harvested through oxidation (degradation) of an organic species and termed as
photoelectrochemical fuel cell (Lianos 2011; Liu et al. 2011; Kaneko et al. 2012).
Kaneko et al. (2006) developed a system that generates electricity via the
photoelectrochemically decomposition of various biomass derivatives by
employing UV light irradiation of a nano-porous TiO, thin-film photoanode and
oxygen reduction to form H,O at a Pt cathode. Raman and Lan (2012) have used
even the photomicrobial fuel cell for electricity generation from organic com-
pounds. Sambandam et al. (2009) have used platinum-carbon black-titanium diox-
ide for fuel cell applications. The following are the series of reactions involved in a
photocatalytic fuel cell formed by the combination of a photoreactor and an
electrochemical cell (Canterino et al. 2009; Cairns et al. 2011). This is achieved
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Fig. 1 Schematic of the & —_—
photocatalytic fuel cell for — Effluent
the proposed work. (1, 2) Air inlet outlet
Electrodes. (3) UV lamp. \A{{V\"_
(4) Resistance. (5) l Sfample
Suspension of nanoparticles inlet
containing toxic substrate \|[3}/
(Adapted from Canterino - |-
et al. 2009) { i I\
Magnetic 5
. Stirrer—*_&
Plexi glass UV photoreactor

chamber

by combining a photoreactor (based on UV or solar radiation) with an electrochem-
ical half-cell as shown in Fig. 1 (Canterino et al. 2009). It provides many solutions
to problems facing industries in the pharmaceutical, biotechnological, oil, energy,
and food and drink sectors.

TiO, UA hy® + e
ORG + hy® — ORG™
M(”-H)-‘r — M"t

The above reaction sequence can be utilized for contaminant degradation and
electricity generation since the two half-cells would give energy unless and until the
concentration of species becomes equal on both sides. When such condition occurs,
more substrate can be given to reinitiate the whole process. Canterino et al. (2009)
used Cu-TiO, for organic removal and electricity generation.

Sorption Behavior

Nanomaterials have a potential for wastewater remediation due to their high treat-
ment efficiency, low cost, and flexibility of applications (both in situ and ex situ). In
case of nanomaterials, sorption basically refers to adsorption since they are widely
used as effective adsorbents for wastewater decontamination (Farghali et al. 2010).
The phenomenon of adsorption is the physical adherence of liquid or gas on the
surface of a solid due to the force of attraction of molecules present at the surface,
thereby creating a thin film on the solid surface (Yang and Xing 2010). In case of
absorption, the fluid permeates into the bulk of the solid. Due to the large number of
free valences, nanomaterials show superior adsorption properties which render their
use in the field of water purification (Sultana et al. 2012). Moreover, it finds use in
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tertiary wastewater treatment as a polishing step before final discharge into natural
water bodies. The adsorption is however a very complicated phenomenon involving
many different properties such as grain-size distribution, specific surface area, and
ion-exchange capacity (Delle Site 2001). The heat of adsorption is an important
parameter controlling the adsorbate-adsorbent bond strength as well as the thermo-
dynamic stability of the complex (Hortz et al. 2015). In general, theory states that
adsorption depends upon two aspects — adsorption capacity and affinity. The former
is defined as the potential space available for adsorption of the solute (adsorbate),
while the latter depends upon the strength of attractive forces between the two (Yang
and Xing 2010). Similarly, zeolites are the porous aluminosilicates, an ideal material
for sequestering metal ions from contaminated water (Larsen 2007). Granular acti-
vated carbon (GAC) is also considered to be the best adsorbent for removing organics
present in wastewater (Nishijima et al. 1997). However, its adsorption properties
decrease once all the sites are occupied, and therefore, biological granular activated
carbon (BGAC) can remove contaminant effectively (Aktas and Cecen 2007; Xing
et al. 2008). Nabi et al. (2011) designed a novel and highly selective polyaniline-
zirconium(I'V)sulfosalicylate cation exchanger for selective recovery of heavy metals
such as Pb(II), Hg(Il), Zr(IV), etc. Many researchers have reported sorption of the
radionuclides Eu(Ill) using metal hydroxide and clay materials as adsorbent to a
function of ionic strength, temperature, and solution concentration. However, the
main challenge with these types of adsorbents is the low sorption capacity. There
must be a stringent demand for development of low-cost and effective adsorbent with
high sorption capacity. Likewise, graphene oxides, due to its high surface to volume
ratio along with large amount of oxygen-containing functional groups, can be used as
an excellent adsorbent. Several other carbon nanoparticles (e.g., fullerenes, single and
multi-walled carbon nanotubes) with excellent sorption properties can be employed
in water treatment and solid-phase extraction (Kaur and Gupta 2009; Huck and Bonn
2000). They can be used for enhanced removal of polycyclic aromatic hydrocarbons
(PAHs) as well as, e.g., naphthalene, phenanthrene, pyrene, etc. (Yang et al. 2006).
Sultana et al. (2012) reported that the rate of adsorption of PANI increases by doping
copper ferrite nanocomposites due to their high surface area. They further reported
that rate of adsorption depends upon the amount of adsorbent, pH of the medium,
temperature, surface area of the adsorbent, etc. Sometimes adsorption is coupled with
air oxidation for complete destruction and removal of contaminants (Delmas et al.
2002). In recent years, various groups have investigated the application of metal
nanoparticles for carbon dioxide sequestration or clean energy storage (Kang et al.
2015). Many nanomaterials based on metal-organic framework with mesoporous
structures are an excellent base material for carbon dioxide adsorption (Furukawa
et al. 2013; Kang et al. 2015). They offer high degree of porosity, large surface area,
and uniform pore size which render their application in gas storage, chemical
separation, sensing, and drug delivery (Li et al. 2009; Chen et al. 2010). Single-
crystal adsorption calorimetry (SCAC) is a recently developed technique for com-
prehensive study of the cover-dependent molar heat of adsorption which in turn
provides information about the thermodynamics of adsorption (Schie3er et al. 2010;
Fischer-Wolfarth et al. 2011; Hortz et al. 2015).
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Chelation

The synthesis of chelate-based nanomaterials has been attracting considerable
interest for the removal and recovery of trace elements from environmental waste-
waters (Fontanals et al. 2010; Matsuoka and Yoshimura 2010). Flame atomic
absorption spectrophotometry coupled with preconcentration procedures is consid-
ered as an advantageous technique owing to its simple detection system based on
flame atomization instead of flameless techniques, which require more expensive
equipment and are found usually much more sensitive to interferences from the
matrix (DeMartino et al. 2010; Gregusova and Docekal 2011). The selective
removal of toxic metal ions and the recovery of precious metal ions in terms of
environmental protection and economic consideration are of great significance
(Pyrzynska 2005; Qian et al. 2010). Chelating materials suited to perform this
task should possess significant selectivity, enhanced hydrophilicity (Islam et al.
2010a, b, c; Pyrzynska and Trojanowicz 1990), better metal loading capacity, and
recyclability. The selectivity of chelating agents depends on the nature of
immobilized multidentate ligands, degree of cross-linking the pH of the solution,
as well as the type of metal ions (Tobiasz et al. 2009; Islam et al. 2010a, b, c; Panahi
et al. 2009). The hydrophobicity of chelating material may rise above by introduc-
ing hydrophilic functional groups and increasing their surface area metal ions
which facilitates efficient adsorption (Prabhakaran and Subramanian 2003a, b).
The ion uptake efficiency of chelating materials can be enhanced by increasing
the number of chelating sites as well as the accessibility of metal ions to these sites.

Amberlite XAD adsorbents have potential to form chelating agents with metal
ions. These agents are porous spherical polymers based on highly cross-linked,
macroreticular polystyrene, aliphatic, phenol-formaldehyde condensate polymers.
On the basis of polymeric matrix, it may be divided into two main groups:
(i) polystyrene-divinylbenzene-based resins including XAD-1, XAD-2, XAD-4,
XAD-16, XAD-1180, XAD-2000, and XAD-2010 and (ii) polyacrylic acid ester-
based resins including XAD-7, XAD-8, and XAD-11 (Kara et al. 2005, 2006).
Some important physical characteristics in terms of surface area (m?/g), particle
size (mesh), and pore size (A) of these adsorbents are shown in Table 4. These
ion-exchange resins can be modified to chelating agents by using a number of the
following methods:

Surface Modification

It is one of the simplest ways to fictionalize the surface of Amberlite XAD-2 using
various chelating agents. The analysis of Cu(II) and Ni(II) ions was carried out
loading calmagite reagent with Amberlite XAD-2 loaded with (Ferreira et al.
2000a, b) 2-(2-benzothiazolylazo)-2-p-cresol (Ferreira et al. 2001), and a detection
limit (3 6) of 0.15 mg/L and 1.1 pg/L was observed, respectively. Poor distribution
coefficients (Ky value) were found for La(Ill) and Nd(III) ions by using Amberlite
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Table 4 XAD adsorbent physical characteristics in terms of surface area, particle size, and pore
size

Pore
Amberlite Matrix Surface area (mz/g) Particle size (mesh) | size (A)
XAD-2 Styrene-divinylbenzene | 300 20-60 90
XAD-4 Styrene-divinylbenzene | 750 20-60 100
XAD-7 Aliphatic ester 500 20-60 450
XAD-8 Acrylic ester 140 40-60 250
XAD-16 Styrene-divinylbenzene | 800 20-60 200
XAD-1180 | Styrene-divinylbenzene | 500 20-60 400
XAD-2000 | Styrene-divinylbenzene | 600 20-60 45
XAD-2010 | Styrene-divinylbenzene | 660 20-60 280

XAD-2 resin impregnated with Cyanex272 {bis (2,4,4-trimethylpentyl) phosphinic
acid} and Cyanex302 {bis (2,4,4-trimethylpentyl) monothiophosphinic acid }; how-
ever, U(VI) was quantitatively sorbed from 1 x 10~ mol/L HNOj; followed by its
recovery with 1.0 mol/L HCI from the solid phase (Karve and Rajgor 2008). The
proposed method was found simple, selective, and reproducible for the detection of
U(VI) with a relative standard deviation of 0.4%. The Later, prepared A batch
method was employed to form chelating resin impregnated, Amberlite-XAD-2 with
Cyanex272, for the analysis of U(VI) in aqueous solution (Karve and Pandey 2012).
The maximum sorption capacity for U(VI) was achieved at 0.168 mmol/g. In
addition, sorption equilibrium data for the treatment of U(VI) was well fitted with
Langmuir and Freundlich isotherm models.

Chemical Modification

The extensive applications for the treatment of environmental samples were also
performed by the chemical modification of Amberlite. In this method, the resin is
bonded covalently with different functional groups. The preconcentration of Cd,
Hg, Ag, Ni, Co, Cu, and Zn ions was demonstrated by the covalent bonding of
Amberlite XAD-2 with 2-(methylthio)aniline and 2-aminoacetylthiophenol
through a -NN-NH- group (Guo et al. 2004a, b). A number of physicochemical
parameters were also determined, namely, the distribution coefficient and sorption
capacity, effect of pH and flow rates of uptake and stripping, as well as effect of
effluent concentration and volume of eluent. In terms of practical applicability, the
modified resin was effectively used for the treatment of tap water and river water
samples. A new azo coupling (-NN-) resin (Amberlite XAD-2-2-aminothiophenol)
was used for the determination of Cd(II) and Cu(II) ions (Lemos and Baliza 2005).
The enrichment factors for Cd(II) and Cu(Il) were found to be 28 and 14, respec-
tively, at the preconcentration time of 60 s while 74 and 35 for preconcentration
time of 180 s. The method was applied for the analysis of Cd(II) and Cu(Il), in
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natural, drinking, and tap water samples. Other functionalized resins (Amberlite
XAD-2-Nitroso-R  salt (Lemos et al. 2003a), Amberlite XAD-2-34-
dihydroxybenzoic acid (Lemos et al. 2003b), and Amberlite XAD-2-4,5-
dihydroxy- 1,3-benzenedisulfonic acid (Lemos et al. 2005, 2006) have been mod-
ified for the determination of Co(II), Cu(Il), and Ni(Il) ions. The accuracy of the
methods was evaluated by the analysis of metal ions in food samples and natural
water samples. Tewari and Singh have modified Amberlite XAD-2 with pyrocate-
chol and thiosalicylic acid for the treatment of Cd(II), Co(II), Cu(Il), Fe(III), Ni(I),
Zn(II), and Pb(II) using FAAS (Tewari and Singh 2001, 2002). A novel azocalix[4]
pyrrole Amberlite XAD-2 polymeric chelating resin was modified for extraction,
preconcentration, and sequential separation of Cu(Il), Zn(II), and Cd(II) ions using
column chromatography prior to their determination by UV-vis spectrophotometry
(Jain et al. 2009). The proposed method was effectively used for the analysis of Cu
(ID), Zn(II), and Cd(II) ions in real water samples. Amberlite XAD-2 functionalized
palmitoyl-8-hydroxyquinoline  using a  modified procedure  through
chloromethylation (Dogutan et al. 2003). Column method was applied for the
preconcentration of Mn(Il) from synthetic and seawater samples. The
preconcentration factor was 60 with the modified resin together with detection
limits (LOD) of spectrophotometry and FAAS for Mn ions (i.e., 17 and 12 pg/L,
respectively) which were significantly reduced. However, this method was not
adversely affected from high ionic strength media for preconcentration of Mn(Il),
and the method was found suitable for detection of Mn(Il) ions in seawater.
Preconcentration and separation of vanadium species in synthetic and seawater
were determined using Amberlite XAD-2 copolymer resin with palmitoyl quinolin-
8-ol (Filik et al. 2004). Both V(V) and V(V) ions were adsorbed and
preconcentrated onto modified resin and quantitatively eluted from the column
using HCI as stripping agent which was analyzed using both spectrophotometer
and FAAS. Another chelating Amberlite XAD-2 resin was modified with
iminodiacetic acid for the analysis of Cd(II) ions followed by FAAS (Badrinezhad
et al. 2012). The material demonstrated 90% recovery of metal ions at pH 7.5, and
the proposed method achieved significant accuracy, enrichment factor,
preconcentration factor, and simplicity. Batch and column methods were applied
for the exclusion of Cd(II), Cr(III), and Pb(Il) ions by using modified Amberlite
XAD-2 with purpurin from cement-based material and deionized water
(Wongkaew et al. 2008). The proposed method gave 86.5% and 89.9% recovery
for Cd(II) and Pb(II) ions and RSD less than 2.3% (n = 14). The modification of
Amberlite XAD-2 was carried out using calcein blue dye for the analysis of Cu
(IT) ions (Moniri et al. 2011). The sorption capacity of modified resin was 27 mg/g
with ten regeneration cycles without any significant loss in capacity. Sorption
capacities of some important modified resins are shown in Table 5. Besides the
surface and chemical modifications of XAD-2 with different reagents, the modifi-
cations of other resins (XAD-4, XAD-16, XAD-1180, XAD-2000, and XAD-2010)
are shown in Tables 6, 7, and 8.
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Table 5 Sorption capacities of modified resin (XAD-2) using different chelating agents

Sorption
capacity
Reagent Analyses Metal ions (mgg™h References
Tiron FAAS Cu’t, Cd*", |14.0,9.5, |Kumaretal.
Co*", Ni**, |6.5,12.6, |(2000a, b)
Pb>*, Zn**, | 12.6, 11.1,
Mn>*, Fe*t, | 10.0, 5.6,
Uo? 7.7
2+
Thiosalicylic acid FAAS Cd**, Co*", [222,6.3, | Tewariand
Cu®", Fe*™, |13.9,3.7, |Singh (2000a, b)
Ni%*, Zn?* | 18.2,3.1
Pyrogallol FAAS Cu?", Cd*", |4.53,5.22, |Kumar et al.
Co*", Ni*, |4.10,4.09, |(2001)
Pb>*, Zn*", |6.71,4.54,
Mn>*, Fe*, |4.51,4.62,
Ut 4.49
Calmagite FAAS Cu** 0.1009 Ferreira et al.
(20004, b)
o-Aminophenol FAAS Cu®*, Cd**, |3.37,3.42, |Kumar et al.
Co*", Ni?*, |3.29,3.24, |(2000a, b)
Zn**, Pb*t 294,332
2-(Methylthio)aniline | FAAS Cd>*, Hg*", |23.67, Guo et al.
Ni?*, Co**, |37.87, (20042)
cu?t, Zn®t 1407,
10.35,
8.83, 8.46
2- ICP-AES Cd>*, Hg*", | 21.40, Guo et al.
Aminoacetylthiophenol Ag”t, Ni*, [ 48.70, (2004b)
Co*™,CT, 37.29,
Zn*t 17.60,
19.19,
24.07,
19.59
2-Aminothiophenol FAAS Ccd*t, cu®t | 382.16, Lemos and
292.10 Baliza (2005)
Nitroso R salt FAAS Co?t 0.0 Lemos et al.
(2003a, b)
Azocalix[4]pyrrole A | FAAS Cu*t, Zn**, |20.20, Jain et al. (2009)
cd*t 11.42,
18.86,
Azocalix[4]pyrrole B | FAAS Cu**, Zn*", |27.25, Jain et al. (2009)
cd** 14.40,
19.63
Pyrocatechol FAAS Cd>*, Co*t, |4.59,1.35, | Tewari and
Cu?t, Fe**, |5.87,4.10, |Singh (2001)
Ni**, Zn®>* | 3.11, 1.85
Chromotropic acid FAAS Pb>* 38.60 Tewari and

Singh (2002)

(continued)
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Table 5 (continued)

Sorption
capacity
Reagent Analyses Metal ions (mgg™h References
Pyrocatechol FAAS Pb>*" 21.69 Tewari and
Singh (2001)
Thiosalicylic acid FAAS Pb>* 18.50 Tewari and
Singh (2001)
Xylenol orange FAAS Pb>* 3.50 Tewari and
Singh (2001)
Palmitoyl quinolin-8-ol | Spectrophotometric | Mn>" 1.64 Dogutan et al.
(2003)
Cyanex272 Spectrophotometric | U™ 39.98 Karve and
Pandey (2012)
Purpurin FAAS Cd**, Cr*t, |8.43,3.54, | Wongkaew et al.
Pb>* 17.13 (2008)
Calcein blue FAAS Cu*t 27.0 Moniri et al.
(2011)
Pyrocatechol FAAS Cd”, C02+, 4.01, 1.65, |Lemos et al.
Cu*", Ni>™  1.99,1.43 | (2006)

Binding of Modified Amberlite XAD with Metal Ions

The modified resins with chelating reagents contain a number of donor ligands
(-N, -P, -O, -S) that have capability in sorption of heavy metal ions. These ligands
including hydroxyl, carboxylic, sulfonic, phosphonic, azo, and amine play a key
role to donate the electron pair toward metal ions. The chemical or physical
properties of a complex have been recognized by the interaction of electronic and
steric properties of the resin; however, the prediction remains very difficult owing
to the considerable diversity encountered within different metal centers toward the
same ligand, or different ligands can completely modify the chemistry of a metal.
This interaction provides significant characteristics of metal complexes toward the
sorption of metal ions. The sorption behavior of chelating resin depends on the
nature of adsorbent adsorbate, size, charge, surface, pH and temperature, as well as
solution conditions (Yang and Xing 2010; Kumar and Ahmad 2011). Various types
of interaction (e.g., hydrogen bonding, electrostatic interaction, surface complexa-
tion and van der Waal forces, ion exchange) are also responsible for the sorption of
metal ions onto the chelating resin. In addition, the carboxylic and phenolic are
considered as the major groups for the sorption of metal ions (by the proton
exchange) (Kumar et al. 2014; Liu et al. 2013). A schematic diagram of modified
resin with metal ions is shown in Fig. 2.
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Table 6 Sorption capacities of modified resin (XAD-3) using different chelating agents

Sorption

Metal capacity
Reagent/Organisms Analyses ions (mg/g) References
8-Hydroxyquinoline (Oxine) | Spectrophotometry | UO,>" | 0.0 Singh and Maiti

(2006)

o-Aminobenzoic acid FAAS Pb>*, 12.22, Cekig et al.

Cd>T, 8.99,5.36, |(2004)

Co*", |7.10,7.58

Ni2*,

702t
2,3-Dihydroxy-naphthalene ICP-AES Cu*™, Hemasundaram

Ni?*, et al. (2009)

Co**,

car
Ammonium pyrrolidine- ICP-AES Ccd*t, 9.47, Ramesh et al.
dithiocarbamate Ccu*t,  [11.08, (2002)

Mn*", |8.62,7.21,

Ni*,  10.25,

Pb*", | 10.62

702+
Piperidine dithiocarbamate ICP-AES cd>, 9.18, Ramesh et al.
(pipDTC) cu*t, 1076, (2002)

Mn*", |8.17,7.46,

Ni*,  ]9.86,

Pb*", 1028

702+
2-Acetylmercapto- FAAS cd*t, 2023, Liu et al. (2005)
phenyldiazoaminoazobenzene C02+, 5.89, 6.03,

Cu*t,  9.97,3.92

Ni2*|

702+
2,6-Dihydroxyphenyl- FAAS Ccd>t, 20.23, Liu et al.
diazoaminoazobenzene Co*, 9.42, (2007a, b)

cu*t, 1238,

Zn*t 1046
Diethyldithiocarbamates FAAS Cu?t, Uzun et al.

Fe?*, (2001)

Pb>t.

Ni2*,

cd*t,

BiZ*
1-Hydrazinophthalazine AAS Cu’t, 78.74, Lemos et al.

NiZ",  |48.12, (2008a, b)

Co*",  |50.09,

Zn*t,  |48.38,

cd*t,  107.90,

Pb*", | 178.10,

Fe’*, | 73.70,

ot 3223

(continued)
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Sorption
Metal capacity
Reagent/Organisms Analyses ions (mg/g) References
1-(2-Pyridylazo)-2-naphthol FI-FAAS Cu*" Yebra et al.
(2001)
1-(2-Pyridylazo)-2-naphthol AAS cd*t, Tuzen et al.
Cu?, (2005)
Ni2+,
Pb2*.
cr,
Mn2*
Salen AAS cu?t 17.3,26.9, |Kim et al.
Pb>*, 395 (2005)
B2+
Succinic acid Spectrophotometry | U™ 12.3 Metilda et al.
(2005)
Schiff bases FI-FAAS cd?t, Kara et al.
Co*, (2009)
cu*t,
Ni2+,
Pb2+
0,0-diethyl dithiophosphate | FI-FAAS cd*t dos-Santos et al.
(2005)
m-Phenylenediamine ICP-AES Rh** 26.34 Panahi et al.
(2009)
2,3-Diaminonaphtalene Se®" 3.4 Depecker et al.
(2009)
2-Aminothiophenol FAAS Cd2+, 3.20, 1.39 Lemos et al.
Ni** (2008a, b)
Maleic acid AAS ot 3.90 Yalcin and
Apak (2004)
Bacillus subtilis FAAS Cu?t, 1.88, 3.93 Dogru et al.
cd>* (2007), Kirstein
and Turgay
(2005)
Diphenylcarbazide complex UV-vis crrt 0.85 Rajesh et al.
spectrophotometer (2008)
Aliquat-336 UV-vis La**, 4.73,4.44 | El-Sofany
spectrophotometer | Gd>" (2008)
Salicylic acid FAAS Pb>", 78.12, Khazaeli et al.
Cu*, | 74.04, (2013)
Ni**, 72,99,
Co*", | 73.20,
Zn*t | 74.07
Catechol ICP-AES cd*t, 2.89,5.69, |Bernard et al.
Cu’*, 287,625 |[(2008)
Ni2*,
Pb2+

(continued)
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Table 6 (continued)

Sorption
Metal capacity
Reagent/Organisms Analyses ions (mg/g) References
Monoaza dibenzo 18-crown- ICP-AES La“, 9.17,9.05, |Dave et al.
6-ether Nd&*+, |8.08 (2010)
Sm3+
A. tumefaciens FAAS Mn2+, 1.20, 1.70 Baytak and
Co*™ Tiirker (2005)
Allylphenol FAAS Cu*t | 106.38 Nezhati et al.
(2010)
N,N-bis(salicylidene) FAAS Cu2+, 22.74, Topuz and
cyclohexanediamine Pb>", 28.77, Macit (2011)
NiZ* 11.93
1-(2-Thiazolylazo)-2- NAA cu*t (8.0 Goodwin et al.
naphthol (2013)
Geobacillus thermoleovorans | FAAS Cd2+, 4.19, 3.26 Ozdemir et al.
subsp. stromboliensis Ni* (20104, b)
Bacillus sp. UV-vis Th*+ 17.24 Ozdemir et al.
spectrophotometry (2010a, b)

Composite Materials as Pollutant Sensors

Nanocomposite materials are also widely used for the detection of toxic gases and
vapors and for the identification of several other compounds. A sensor is a device
that provides specific quantitative and analytical information in connection to a
change in measureable property with respect to change in the surrounding environ-
ment (Teles and Fonseca 2008). Sharma et al. (2002) synthesized copper/
polyaniline for sensing chloroform vapor at ppm level. Graphene oxide (GO) can
be used for potential applications in nanoelectronic, nanosensing, and
nanoelectrochemical devices (Berger et al. 2004; Xu et al. 2010, Khan et al.
2016). Carbon nanotubes can be used as electrochemical sensors with high sensi-
tivity, accuracy, and detection limit (Iijima 1991). However, PANI-based
nanocomposites showing different colors for different oxidation states can also be
used as versatile sensors (Bredas and Street 1985). PANI-coated fluorine-doped tin
oxide can be used to detect the optochemical response (Mello and Mulato 2015).
Even biodegradable natural polymers such as protein, chitin, and chitosan-doped
nanocomposites can be used for the fabrication of electrical, electronic, and chem-
ical sensors (Shukla 2002). PANI/PMMA-based composite fibers show high sensi-
tivity for ammonia gas sensors (Zhang et al. 2014). Wang et al. (2010) developed
organic-inorganic nanocomposites comprising ZrO,-chitosan-Au for amperometric
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Table 7 Sorption capacities of modified resin (XAD-16) using different chelating agents

Sorption
Metal | capacity
Reagent Analyses ions (mg/g) References
1,6-Bis(2-carboxy FAAS Cu®*, |5.38,4.43 Oral et al. (2011)
aldehyde phenoxy)butane ca*t
2,6-Dichlorophenyl-3,3-bis | FAAS Cu2+, 70.6, 64.3, Ghaedi et al.
(indolyl)methane Zn>", | 60.1 (2010)
Mn2+
Gallic acid FAAS Cr3+, 11.22, 9.88, Sharma and Pant
Mn?*, |22.50, 16.55, | (2009)
Fe’t, |14.67,21.84
Co?t,
NiZ+,
Ccut
4-{[(2-Hydroxyphenyl) FAAS Zn2+, 10.98, 6.09, Venkatesh and
imino] Mn>", |13.20,21.75, | Singh (2007)
methyl}-1,2-benzenediol Ni2+, 6.29, 26.35,
Pb>*, |18.98, 14.49
cd*,
Cu?t,
Fet,
Co*
Acetylacetone AAS Cr3+, 779.84, Memon et al.
ot 197741 (2009), Singh
et al. (2008)
3,4-Dihydroxy benzoyl FAAS U, 395.11, Maheswari and
methyl phosphonic acid Th**  [350.36 Subramanian
(2005)
Phthalic acid AAS Pb** 40.0 Memon et al.
(2005)
N,N-dibutyl-N- Ut 214.21 Merdivan et al.
benzoylthiourea (2001)
(Bis-2,3 4- U, |340.36, Prabhakaran and
trihydroxybenzyl) Th**, |276.11, Subramanian
ethylenediamine Pb>", | 209.27, (2003a, b, 2005)
Cd** | 87.67
Thiocyanate FAAS Ag>" | 4.66 Tungeli and
Tiirker (2000a, b)
1,5-Diphenylcarbazone FAAS ot 0.40 Tokalioglu and
Livkebabc (2009)
Nitrosonaphthol AAS Ni%*, |605.79, Memon et al.
Cu®t  |352.14 (2007)
Iodide complex FAAS Pt |35.6 Tunceli and
Tiirker (2000a, b),
Sabermahani and
Taher (2010)
(Salicylaldehyde calix[4] AAS Cu2+, 68.5, 61.9, Ghaedi et al.
resorcinarenes) Co?t, 161.9,62.5 (2009)
Ni2+,
Cazt

(continued)
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Table 7 (continued)

Sorption

Metal | capacity
Reagent Analyses ions (mg/g) References
2- FAAS Zn**, |12.94,9.77, |Venkatesh and
{[1-(3,4-Dihydroxyphenyl) Mn?", |15.78,26.52, | Singh (2005)
methylidene] NiZ*, 110.90, 29.71,
amino }benzoic acid Pb2+, 28.75, 13.02

cd®t,

cu’t,

Fe2t.

Cox*
Pleurotus eryngii ICP-OES Cd2+, 11.3,9.8 Ozdemir and

Co** Kilinc (2012)
N,N-dibutyl-N1- AAS Ag" 12.40 Ayata et al. (2009)
benzoylthiourea
3-Hydroxyphosphinoyl-2- | Spectrophotometer ust, 328.46, Prabhakaran and
oxo-propyl)phosphonic and fluorescence Th**, | 308.59, Subramanian
acid dibenzyl ester spectrophotometer | La** 104.25 (2004)
Glyoxal-bis FAAS AP 24.28 Islam et al.
(2-hydroxyanil) (2013a, b)
2-(2-Hydroxyphenyl) FAAS AT |21.58 Islam et al. (2014)
benzoxazole

sensing of H,O,. Prabhakar et al. (2011) prepared polyurethane-based PANI/Ag
nanocomposites to be used as electrochemical sensors. The materials were biocom-
patible and can be used in biomedical applications. Ansari and Mohammad (2011)
developed p-toluenesulfonic acid-based polyaniline-TiO, nanocomposite with out-
standing electrical conductivity, superior thermal stability, and exceptional
ammonia-sensing ability. PANI/Cu nanocomposites can be used for chloroform
sensing application (Sharma et al. 2002), while polyacrylate-nanoclay composites
offer high gas selectivity (Bhole et al. 2007). Modified resins have been success-
fully used in the treatment of industrial wastewaters. The successful applications of
resins require the fundamental relationship among the structural modifications as
well as its physicochemical properties. In this regard, Mohan and Srivastava (1997)
highlighted the study of various epoxy resins and curing agents. Further, the
modification of epoxy resins and curing agents is well documented in various
literatures, which also demonstrated flame resistance, adhesive property, thermal
property, and chemical stability of epoxy resins (Mohan 2013). The important roles
of chelating agents in various industries confirm its significance and commercial
value which led to its presence in various streams that need to be treated up to
standards for drinking and industrial discharge water according to the WHO and
various regulatory organizations that set similar standards worldwide. Moreover,
polymer nanofibers based on PANI, polypyrrole (Ppy), etc. can be used as
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Sorption
capacity
Reagent Analyses Metal ions (mg/g) References
XAD-7 Spectrophotometry | Cr®* 20.62 Hosseini-
Toluidine blue o Bandegharaei
et al. (2010)
Diamino-4-(4-nitro- FAAS Ni?* 7.2 Ciftci et al.
phenylazo)-1H-pyrazole (2010)
Brilliant green Spectrophotometry | Cr®* 5.45 Hosseini et al.
(2009)
XAD-1180 FAAS Cu**, Ni**, |0.77,0.41, | Tokalioglu
1-(2-Thiazolylazo)-2- Cd**, Mn** | 0.57,0.30 | et al. (2009)
naphthol
Di(2-ethylhexyl)phospho- | UV-visible Bi*" 490.7 Belkhouche
ric acid spectrophotometer and Didi
(2010)
Pyrocatechol violet GFAAS APY 0.59 Narin et al.
(2004)
XAD-2000 FAAS Cu**, Fe’", |5.63,5.40, |Bulut et al.
Diethyldithiocarbamate Zn*", Mn*", | 4.80,4.76, |(2007a, b)
Cd**, Pb**, | 4.41,6.42,
Ni**, Co*" | 3.80, 6.08
o-Phenylene dioxydiacetic | UV-vis U, Th*" | 28.80, Seyhan et al.
acid Spectrophotometer 26.21 (2008)
Ammonium FAAS Co*t, cu*t, |6.1, 64, Duran et al.
pyrrolidinedithiocarbamate Cd**, Ni**  |6.2, and (2009)
6.3
a-Benzoin oxime Spectrophotometry | U, Th*", [3.6, 3.3, Ghasemi and
Zr*t 2.6 Zolfonoun
(2010)
XAD-2010 FAAS Crtt 4.40 Bulut et al.
Sodium (2007a, b)
diethyldithiocarbamate
Sodium FAAS Mn>*, Co®*, |5.9,6.0, |Duran et al.
diethyldithiocarbamate Ni**, Cu®**, 16.1,6.3, |(2007a, b)
Cd®*, Pb*t  |6.0,5.7

ammonia, NO, and pH sensors (Long et al. 2011). Lu et al. (2009) prepared single
and multiple poly(3,4-ethylenedioxythiophene) nanowires. Zhang et al. (2007)
prepared poly(methyl vinyl-ether-alt-maleic acid)-doped PANI nanotubes for oli-
gonucleotide sensors. Conducting nanoparticle sensors based on polymer matrix is
employed to detect food-borne pathogens (Arshak et al. 2007; Liu et al. 2007a, b).
Mills and Hazafy (2009) prepared nanocrystalline SnO, and reported its use as a
photosensitizer in a colorimetric detection of oxygen gas. Thus, a large group of
nanomaterials and polymer-based nanocomposites have been developed for sensing
various gases/chemicals. The area can be explored further for proper development
and commercialization of electrical, electronic, and chemical sensors.
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Fig. 2 Coordination of metal ions with chelating resins

Conclusions and Perspectives

A number of chemical routes were used for the synthesis of nanocomposite
materials. Among different methods of synthesis, the sol-gel technique is consid-
ered as one of the best route because of its low cost and facile synthesis of the
desired compound with high purity at a comparatively low temperature. It can also
conclude that the incorporation of inorganic precipitate into the matrix of organic
polymer not only improved the ion-exchange efficiency but also enhanced its
thermal and chemical stability. The increment in ion-exchange capacity was
observed due to the development of exchangeable functional groups on the surfaces
of the nanocomposites. These nanomaterials have potential to treat organic and
inorganic pollutants in industrial wastewaters. Therefore, nanocomposite
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ion-exchange materials are unquestionably considered as forthcoming novel mate-
rials for remediation of pollutants from industrial effluents. There will also be a
growing demand for the synthesis of nanocomposite material, specifically for the
environmental applications. Moreover, so far, the work on the application of
nanocomposites in treatment of wastewater is still in the research phase and thus
needs more attention. These nanocomposite materials showed improved
ion-exchange capacity compared to other inorganic ion-exchanger and organic
resins. Subsequently, these ion-exchange materials might soon become one of the
most influential nanomaterials to create a pollution-free aquatic environment.
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Abstract Textile industry is one of the largest water-consuming industries in the
world, and its wastewater contains many pollutants such as dyes, degradable
organics, detergents, stabilizing agents, desizers, inorganic salts, and heavy metals.
In Pakistan, most of the textile industries discharge untreated wastewater into water
bodies without any treatment, which percolates into the groundwater posing a threat
to the health and socioeconomic life of the people. Pretreatment, dyeing, printing, and
finishing are the main steps in dyeing and printing process of textile industries.
A large amount of wastewater is being generated by all these processes, which
contains many pollutants like reactive dyes, chemicals, high chemical oxygen
demand (COD), biological oxygen demand (BOD), and organic compounds.
Research has been conducted since long to treat textile wastewater in an economical
and efficient way. There are many processes for removal of polluted compounds from
water that include physicochemical, biological, combined treatment processes, and
other technologies. All over the world, ecological standards are gaining importance
in every step of textile unit. Due to the strict implementation of environmental
standards, it is important to adopt an eco-friendly model of textile industry that
overcomes all flaws from its start to end product. The main challenge is to develop
a design that can be considered as cost-effective and to substitute chemicals that are
less harmful or can be easily treated. On the basis of wastewater characteristics and
literature review, appropriate scheme of treatment processes was proposed.
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Textile Industry Wastewater: Challenges

The increasing population in Pakistan is requiring economic growth so the indus-
trial progress has been stirred up to meet the demands of growing population.
On the other hand, the regulatory measures are being neglected from the very
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first, and the situation is getting worse as the implementation policy for control
measures is being neglected (Husain and Hussain 2012). The textile sector is playing
an important role in Pakistan’s economy as it is providing employment to 38% of
people; along with, it is an important source of foreign exchange. Out of the total
export, 65% of country export is provided by the textile sector alone (Bauer 2001). In
all over the country, many industries are working and strengthening the economy by
their production; out of this total production, textile industry accounts for 46%.
Some of the industrial products are also exported to foreign countries; textile
products are also exported and provide 9% of gross national product (GNP) (Sudipta
et al. 2005). Keeping in view, all these facts, we can say that textile industry is the
backbone of Pakistan economy. The textile sector is based on 670 industries that are
working in all over the country. Out of this 670, 300 are situated in Karachi alone,
and the remaining 370 are working in different areas of Punjab (Ara 1998).

It has been published in the yearbook of China that 390 million tons of sewage
water is producing each year in China. Out of these 390 million tons, 51% is
produced by industrial sector, and this rate is increased by 1% each year (Ho and
McKay 2003). According to a rough estimate, the textile sector has a major
contribution toward 51% of the sewage wastewater as 70 billion tons per year of
wastewater is coming out of dyeing industries alone. This wastewater has heavy
pollution load, and it is ridiculous to discharge this water without any prior
treatment. As compared to agricultural use, the industrial use of water is very little.
The heavy pollution load in wastewater makes water resources unfit for other uses.
In water-scarce countries like Pakistan, the reuse of water is a constant demand
because an extensive amount of water is needed for agricultural activities. There-
fore, water management is a challenge for us as freshwater resources are decreasing
rapidly and water is getting polluted with industrial activities (Anindya et al. 2005).

Textile industry is one of the biggest industries in the world, and a large amount
of water is consumed in its processing. Different stages of textile industry are
named as singeing, desizing, scouring, bleaching, mercerizing, dyeing, printing,
and finishing. All textile industries use these processes according to their require-
ment (El-Gohary and Tawfik 2009). The environmental problems created by textile
industry wastewater are due to increased oxygen demand, high color, and large
amount of suspended solids. Wastewater of textile unit contains many pollutants,
like inorganic compounds, dye waste, color residues, catalytic chemicals, and
cleaning solvents (USEPA 1997). It has been studied that in all over the world,
overall production of dyes is 700,000 tons each year (Riera-Torres et al. 2010).
There are different combinations of dyes that are being used to color different
stuffs. Some of these dyes are degraded naturally, but some need special treatment,
as they can’t be degraded naturally. There are different types of dyes that are
chemically different from each other. These dyes include azo dyes, xanthene
dyes, nitro dyes, phthalocyanine dyes, etc. (Gupta and Suhas 2009). Dyes can be
further classified as acid dyes, basic dyes, and reactive dyes. The combination of
different dyes used to achieve different shades makes the treatment process more
difficult as each dye has different chemical natures (Andre et al. 2005). It is
believed that all over the world, more than one million tons of dyes are
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manufactured each year and out of this, 0.28 million tons are discharged into
wastewater (Robert and Sanjeev 2005). Textile industry wastewater especially
from dyeing and printing industries needs proper treatment before its discharge in
water bodies as major contribution of the largest amount of textile wastewater is
from the developing countries. In textile processing industry, wastewater contains
many pollutants and needs to be treated as they can cause serious health impacts to
aquatic life as well as human beings (Lau and Ismail 2009). Therefore, it is an
utmost need to treat textile wastewater so that problems related to pollution caused
by it can be avoided.

Pretreatment, dyeing, printing, and finishing are the main steps in dyeing and
printing process of textile industries. A large amount of wastewater is being generated
by all these processes, which contains many pollutants like reactive dyes, chemicals,
high chemical oxygen demand (COD), biological oxygen demand (BOD), and
organic compounds (El-Gohary and Tawfik 2009). Research has been conducted
since long to treat textile wastewater in an economical and efficient way. There are
many processes for removal of polluted compounds from water that include physi-
cochemical, biological, and combined treatment processes and other technologies
(Phan et al. 2000). There are many sulfide compounds used in textile industry that are
environmental concerns because of their hazardous nature. So, a combination of
biological and chemical methods is being reviewed for sulfur treatment (Nguyen and
Juang 2013). All over the world, ecological standards are gaining importance in every
step of textile unit. Due to the strict implementation of environmental standards, it is
important to adopt an eco-friendly model of textile industry that overcomes all flaws
from its start to end product (Robinson et al. 1997).

The main challenge is to develop a design that can be considered as cost-
effective and to substitute chemicals that are less harmful or can be easily treated.
Recycling can be a preferred option in this regard as it can solve two problems. First
of all, recycling means less generation of waste. Secondly, it is economically
beneficial to develop techniques to use recycled products. Control techniques can
be divided into three types: (1) an efficient design using less polluting agents and
minimizing waste generation; (2) after generation of waste, an effective treatment
option for this wastewater; and (3) finding suitable steps where recycled products
can be applied (Sule and Bardhan 1999). Dyeing and finishing processes in textile
industry are major threats as they are using large quantities of chemicals and dyeing
agents that cannot be treated easily (Mustafa and Delia 2006). Organic nature of
these chemicals makes the problem serious as they have complex structure. Heavy
metals are another concern.

Main Steps in Textile Processing Industry

The main processes of a textile industry include singeing, desizing, scouring
bleaching, mercerizing, dyeing, printing, finishing, and marketing. Textile waste-
water includes (a) suspended solids, (b) mineral oils, (¢) nonrecyclable or low
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recyclable surfactants, (d) wet-finishing process that produces phenols (e.g., dye-
ing), (e) halogenated organics produced in bleaching that is using solvents, and
(f) textile effluents that are usually hot and highly colored and may have heavy
metals (e.g., chromium, copper, zinc).

Treatment Options

Textile wastewater handling is a blend of different methods. The principal phase
comprises typically of physical steps. Physicochemical methods have been exten-
sively used in textile treatment plants, which give good removal efficiency of
suspended materials, but it is not as much effective to remove COD. Various textile
wastewater approaches are given below.

Physical Methods of Decoloration
Equalization and Homogenization

Textile dyeing wastewater usually needs pre-handling to ensure uniform flow of
water for steady operation. Generally, the flexible container is fixed to handle the
wastewater. Meanwhile, to avoid the cotton fur and the slurry settle in depth, air is
used in the container for mixing. Eight hours of retention time is usually required.

Floatation

Floatation is a triple-phase combination of water, gas, and solid. In this process, air
under pressure is introduced that combines with particles in the form of bubbles.
This mixture settled down due to its lower density, and the heavy material separated
out due to higher density. It can successfully eliminate the fibers from textile
wastewater.

Adsorption

Some organic dyes are not easily biodegradable because of their structure. They
have long chain of carbon, which causes a limitation, and they are resistant to
degrade in normal biotic conditions. Treatment of such organic dyes is important,
and it demands best knowledge of abiotic conditions to degrade such compounds.
Adsorption is the greatest applied technique in wastewater management that can
mix the wastewater and the spongy material powder or granules, such as carbon and
clay, or allows the wastewater to pass through the sieve bed made up of granular
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matter. Through this technique, contaminants in the wastewater are adsorbed on the
surface of the spongy material or sieve.

Adsorption is said to be a feasible abiotic condition to treat such organic waste. It
is important to have an idea about the conditions affecting adsorption capabilities of
such compounds, which may depend on water hardness, time of treatment, and
many other factors. Sludge of adsorption process is an important component so it is
necessary to develop better understanding about the treatment process and sludge
quality (Ozcan et al. 2004). It has been suggested that there should be 3 g per liter of
sludge, and minimum time of reaction should be 24 h and 6 days for maximum. The
maximum time limit is rarely needed because most of the dyes require 1-day
treatment only. Hardness of water should be 80 mg per liter, which gives best
removal. The removal efficiency of dyes from this process is considered tobe 1 g
per liter to 30 mg per liter. The concept of activated sludge treatment gives
tremendous improvement in treatment process. There are various materials used
as adsorbents in sludge treatment such as charcoals, activated carbons, clays, soils,
and coagulants (Silva et al. 2004). Some information about molecule size and
charge on dye, its pH, and salt complex is important because adsorption process
is not that simple but it’s a combination of adsorption and ion exchange process.
Although there is a vast variety of adsorbent available in the market, not all are
appropriate for commercial use. Price, ease to handle the adsorbent, and binding
capacity are parameters which should be kept in mind while applying them in
treatment processes for commercial use. Lignocellulose is one of the effective
adsorbents, which is used on a large scale because it is not costly and effective
against acid dyes (Pignon et al. 2000). Adsorption is a time-consuming process, and
sludge produced by this process may not be easy to handle which is the main
drawback of this process.

Low-Cost Adsorbents

The nonconventional low-cost adsorbent should have some specific properties in
order to be used as dye adsorption. Those properties can be (a) efficient to remove
an extensive variety of dyes, (b) high rate of adsorption and capacity, (c) high
ability to tolerate extensive range of wastewater parameters, and (d) highly selec-
tive for different concentrations.

Natural Materials
Clays
Natural clay minerals have grabbed the attention of mankind since the civilization

time. Clay materials are famous as adsorbents due to their low cost, ease of
availability in most of the world continents, high potential for ion exchange, and
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sorption properties. The clay materials have a layered structure and mostly favor-
able as host materials. The classification of clay materials is based on the differ-
ences in the layered structures such as mica (illite), smectites (saponite,
montmorillonite), serpentine, pyrophyllite (talc), kaolinite, vermiculite, and sepio-
lite (Shichi and Takagi 2000). The natural clay shows adsorption capabilities due to
a net negative charge on the mineral structure. The negative charge of clay minerals
attracts the positive-charged species, and so adsorption takes place. The sorption
properties depend on the high porosity and high surface area (Alkan et al. 2004).
Montmorillonite clay possesses the largest surface area and highest capacity for
cation exchange. The current market price of montmorillonite clay is about US$
0.04-0.12/kg and is considered as 20 times cheaper than the activated carbon
(Babel and Kurniawan 2003). The clay minerals such as kaolinite, bentonite,
diatomite, and Fuller’s earth are now becoming popular to be used in recent years
due to their unique adsorption capacity for organic and inorganic molecules.
Different scholars have extensively studied the interactions between the dyes and
clay particles reported in articles (Alkan et al. 2005, 2004; Gu'rses et al. 2004;
Wang et al. 2004; Al-Bastaki and Banat 2004; Ozcan et al. 2004; Ozdemir et al.
2004; Al-Ghouti et al. 2003; Atun et al. 2003).

Siliceous Materials

Natural siliceous sorbents such as glasses, alunite, silica beads, perlite, and
dolomite are becoming popular to be used for wastewater due to their abun-
dance, low price, and availability. The most prominent in inorganic materials are
the silica beads (Crini and Morcellet 2002; Woolard et al. 2002; Harris et al.
2001; Phan et al. 2000), having silanol groups on the hydrophilic surface
responsible for the chemical reactivity. Their porous texture, mechanical stabil-
ity, and high surface area are the key factors, which make them suitable as
sorbents in decontamination applications. The presence of acidic silanol on the
siliceous material surface causes an irreversible and strong nonspecific adsorp-
tion. So the negative features of sorbents should be eliminated. The interaction
of siliceous materials with dyes can be promoted by modifying the silica surface
using silane-coupling agents having amino functional group (Krysztafkiewicz
et al. 2002). Another important sorbent from siliceous materials is alunite (Dill
2001). Alunite mineral comes from the jarosite group and consists of approxi-
mately 50% SiO,. The characteristics of alunite are discussed in the review by
Dill in 2001. The untreated alunite does not show good adsorbent properties
(Ozacar and Sengil 2003). In order to use alunite as good adsorbent for removing
colors, a suitable process is done to obtain alunite-type layered structure (Ozacar
and Sengil 2002).
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Zeolites

Zeolites are the highly porous aluminosilicates having different cavity structures.
Zeolites are extensively used as substitute materials in particular areas such as
sorptive applications. Zeolites are useful in removing the trace amounts of pollut-
ants, e.g., phenols and heavy metal ions due to their cage-like structures appropriate
for ion exchange. A lot of the literature is available on sorbent behavior of the
neutral zeolites (Ozdemir et al. 2004; Armagan et al. 2004; Meshko et al. 2001).
The zeolite efficiency to remove dyes may not be better than clay materials, but the
easy access, availability and low cost make them suitable for many applications
(Calzaferri et al. 2000).

Biosorbents
Chitin and Chitosan

The emerging biosorption method uses biopolymers such as chitin and chitosan for
sorption of dyes. Chitin and chitosan are renewable, abundant, and biodegradable
resources. Several studies on chitin and chitosan revealed that chitosan-based
biosorbents are competent materials and have tremendously high attraction for
many categories of dye years (Chiou and Li 2002, 2002; Chao et al. 2004; Chiou
et al. 2004). They are versatile materials and can be used as sorbents in different
forms, from flake types to bead types, gels, or fibers (Wu et al. 2000, 2001a, b).
Wong et al. (2004) demonstrated the chitosan performance to remove acid dyes as
an adsorbent in detail. According to his research, the adsorption capacities of
chitosan for acid red 18, acid red 73, acid orange 10, and acid orange 12 were
693.2, 728.2, 922.9, and 973.3 mg/g, respectively.

Peat

Peat possesses porosity and is a complex soil material having organic matter in
several stages of decomposition. The classification of peat is based on nature of
parent materials. Peats are identified into four groups such as moss peat, woody
peat, herbaceous peat, and sedimentary peat. The peat is plentiful, inexpensive, and
available as biosorbent for a variety of pollutants. The polar property of peat makes
them suitable for removal of dyes from solution (Allen et al. 2004; Ho and McKay
2003). The raw peat has some limitations such as low mechanic strength; poor
chemical stability, to leach fulvic acid; a high affinity for water; and a tendency to
shrink or/and swell (Sun and Yang 2003).
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Biomass

Bioadsorption and/or decolorization of dye wastewater by white-rot fungi, (dead or
living) biomass, and other microbial cultures was the subject of much research as
reviewed in several recent papers (McMullan et al. 2001; Robinson et al. 2001;
Stolz 2001; Pearce et al. 2003; Aksu 2005). In fungal decolorization, fungi can be
categorized into two classes based on their life state: living cells to biosorb and
biodegrade dyes and dead cells to adsorb dye (Fu and Viraraghavan 2001a). The
recent studies have focused on the removal of dyes with strains of Aspergillus niger
(Fu and Viraraghavan 2002a, b) and Rhizopus arrhizus (Aksu and Tezer 2000). Fu
and Viraraghavan (2001b, 2002a, b) confirmed that Aspergillus niger as biosorbent
shows remarkable properties for dye removal.

Miscellaneous Sorbents

Starch has been studied as low-cost sorbent (Delval et al. 2001, 2002, 2003) and
cyclodextrins (Crini and Morcellet 2002; Crini et al. 2002a, b; Crini 2003). Starch
belongs to carbohydrate class and is present as an energy storage material in living
plants. It has also been demonstrated that cross-linked cyclodextrin gels can be used
for efficient extraction of dyes. The sorption properties are enhanced due to
existence of CD molecules in the polymer network (Crini and Morcellet 2002;
Crini et al. 2002a, b; Crini 2003).

Chemical Methods
Ocxidative Process

Oxidative procedures are characterized as an extensively applied chemical tech-
nique for the handling of textile discharge, where decolorization is the purpose. The
key chemical is hydrogen peroxide (H,0,) that forms hydroxyl radicals, which are
strong oxidizing agents and are capable to decolorize a variety of dyes (Entezari and
Pe’trier 2004). Oxidation process is being used from so long, and it is found to be an
easy to handle process that has been extensively used on commercial basis. Hydro-
gen peroxide is highly stable, and there are various methods of its activation, which
are named accordingly.

Fenton Treatment

It is a very useful technique for wastewater treatment. It has its own specification
which is found to be very effective to treat COD and gives the best removal against
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many dyes. In the first technique, hydroxyl radical is produced from H,O, during
Fenton reaction, where hydrogen peroxide is added to an acidic mixture (pH = 2-3)
having Fe** ions. The reaction is exothermic and must be performed at temperature
greater than ambient (Hassan and Hawkyard 2002). Besides many advantages, this
process also has a limitation. Sludge produced by this process contains many
impurities, and it requires proper land disposal that is not easy to handle. Fenton
sludge recycling is a proposed technique to get rid of harmful impacts that makes it
easy to handle this sludge (Joseph et al. 2000). Mechanical handling of this sludge is
a possible option. The sludge contains phosphate that can be removed, that makes
this sludge less harmful, and it may be treated through biotic processes.

Ozonation

Ozone is being used for the wastewater treatment since 1970. It is highly instable
which makes it a strong oxidizer. When compared to chlorine having oxidizing
potential of 1.36, it was found to be a better oxidizing agent with an oxidizing
potential of 2.07 (Koch et al. 2002). It was mainly used against drinking water,
and the main purpose was to make it clean, but its other properties against toxic
compounds of wastewater make it a favorable option in textile wastewater treat-
ment. It was found to be effective against many aromatic hydrocarbons, phenols,
pesticides, etc. It is a very active and rapid decolorization handling method.
Ozonation can tackle with the double bonds in dyes, and COD can be lowered
by this method. Many of the nonbiodegradable products can be easily
decomposed. 18.5 and 9.1 mg/l concentrations of ozone are enough to remove
50 and 60% COD after 60 and 90 min, respectively (Selcuk 2005). In this process,
the usual application is the use of sodium hypochlorite that has the ability to break
azo bond. The shortcoming of this process is that it releases amine compounds and
these can cause cancer. It also has a limitation that it is readily decomposed in
water having a life span of just 20 min. This is the main drawback of this
treatment, and the time may get shortened enough when the wastewater having
dyes is projected toward this treatment (El-Din and Smith (2002)). Other factors
may influence its stability in water such as pH, temperature, etc. Ozone stability is
highly affected by the presence of alkaline salts. It may get reduced when alkaline
water is treated against it, while natural salts have a positive impact and enhance
its stability (Arslan 2001). Temperature has a negative impact on ozone solubility.
With increasing temperature, it becomes less soluble in water (Ma and Graham
2000).

Several options are keeping concern regarding the reduction in the parameter
like COD, BOD, and TOC. Ince and Tezcanli (2001) stated that ozone treatment
doesn’t reflect any changes in COD. Ikehata (1975) conveyed a decrease in COD
and BOD standards, while Koch et al. (2002) found that the use of ozone treatment
will increase in the value of two parameters. Practices with TOC decline are
constant, viz., treatment with ozone does not effect it. Meanwhile, addition in
oxygen in soluble composites with ozone is not successful at an initial stage.
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Carriere et al. (1991) advocate ozone treatment as a tertiary treatment, succeeding
as an activated sludge process. The ratio of other substances present in dye
wastewater is lesser than the present in the pure solution (up to 20% of dye leftover
in the water after ozone treatment). At the very first step, eradication of foaming and
reducing agents increases color removal efficiency by ozone treatment (Andreozzi
et al. 2001a).

H,0, UV Radiation

All the above-stated complications (sludge evolution and renewal increase the
intensity of polluted wastewater caused by ozonation) can be stated away by
oxygen addition with hydrogen peroxide, initiated with UV light. The single
element used in the treatment is H,O,, and due to its final breakdown into oxygen,
it is not problematic. Peroxide is activated by UV light. Aspects persuading H,O,/
UV processes are concentration of hydrogen peroxide, the strength of UV radiation,
pH, dye composition, and dyebath structure. Overall, discoloration is utmost suc-
cessful at pH = 7, at greater UV irradiant concentrations (1600 W rather than
800 W), with an ideal concentration of H,O,, which varies for diverse dye sessions,
and through a dyebath that does not cover oxidizing agents having an oxidizing
capacity advanced than that of peroxide (Andreozzi et al. 2001a). According to
Andreozzi et al. (2001b), the easiest decomposable dyes are acid dyes, and with an
accumulative number of azo groups, the discoloration efficiency declines. Arslan
et al. (2000) reported prolonged decoloration required by the yellow and green
dyes, while on the other hand, quick decoloration is showed by the direct, metal-
complex, and disperse dyes. In the collection of blue dyes eliminated, only blue
dyes were not vat decolorized, yet their composition alters with the procedure in
such a way that they can be simply filtrated. The filtrate is colorless. For pigments,
H,O,/UV method is not appropriate, since they form a filmlike covering which is
tough to eliminate.

Hydrogen Peroxide

The efficiency of method relies on the peroxidase usage, its strength, pH, and the
temperature of the medium. Fukushima and Tatsumi (2001) studied the discolor-
ation of acid dye by three kinds of peroxidases [horseradish (HRP), soybean (SPO),
and Arthromyces ramosus (ARP)] as peroxide activator. By calculating the absor-
bance capacity, they found that the persistency was the highest via ARP. The
discoloration rate augmented with higher peroxidase accumulation and temperature
of medium and was the highest at pH 9.5.
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NaOCl

Cl compounds are useful in the chemical oxidation of colored wastewaters. Elec-
trophilic breakdown occurs at the amino group by Cl+4-pledgees and speeds up the
consequent azo bond cleavage. Namboodri et al. (1994) reported the adequate
discoloration of acid and direct dyes. Treatment of reactive dyes prerequisite longer
times, while solutions of metal-complex dyes persisted partially colored (Manu and
Chaudhari 2003). Disband dyes do not decolorize with NaOCl. Decoloration rate
rises with increase in chlorine intensity and declining pH of medium. According to
Omura (1994), dyes encompassing amino or exchanged amino groups on the
naphthalene ring, i.e., dyes derivative from aminonaphthol- and naphthylamine-
sulfonic acids, are the greatest subject for chlorine decoloration. One feature which
has come to the front in current years, and which is related to chlorine-centered
decoloration practices, is that, for atmosphere causes, the upcoming use of
chemicals comprising chlorine should be controlled. Since 5 and 60% of
European chemical manufacture openly or ultimately rest on chlorine, the influence
of such a prohibition could be huge, mainly for organic colorant production.
However, it must be illustrated that even though about 40% of worldwide used
pigments comprise chlorine, this corresponds to less than 0.02% of the total
chlorine production (Clarke and Steinle 1995).

Ion Exchange

It’s a treatment process that has been used to treat wastewater excluding
dye-containing wastewater. The main reason of avoidance was a misconception,
and it was thought that this method is not effective against dye-containing waste-
water and its effectiveness slows down further when wastewater is loaded with
other additives in consort with dyes. This flaw was removed with an excellent work
of Baouab et al. (2001) who proved in his experiment that sulfur-containing dyes
and those with acidic nature could better be treated with a combination of anion
exchange column that is packed in series and a nonpolar resin. This was a great
turning point in treatment of textile wastewater because it added another positive
option against dye treatment and it could be further explored within time. The ion
exchange resins needed to be regenerated after one-time removal, and this task was
completed with the help of organic solvents. The organic solvents are not that much
cheap, and their use increased the operational cost that was the major drawback of
ion exchange method.

The research on the highlighted above method provided wise choices and the use
of quaternized cellulose. The sulfonate group of dye makes an association with the
amine group of resin through columbic forces, or other bonding forces may be
developed between them such as van der Waals forces or hydrogen bonding
(Glover 1993). The efficiency of a resin to remove dye from wastewater can be
judged through these bonding. If there is a strong bonding present between dye and
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resin, there will be effective removal of dye. There are many theories about the
effectiveness of this method. According to Laszlo (1994), chloride concentration
has a negative impact of dye removal efficiency. With the increased concentration
of chlorine, there will be less bonding between dye and resin, while sulfate and
carbonate have a null impact on this bonding so their concentration does not affect
the dye removal efficiency. In the same way, with the addition of sodium hydroxide,
the binding process completely gets stopped. This can be positively used in
treatment process, and using sodium hydroxide can regenerate the resin. The
main reason of this poor bonding is that, when pH is increased, the proton may
be removed from quaternary amine and makes conjugate base which may increase
the hydroxyl group that may result in a repulsion force between dye and resin.

Coagulation and Sedimentation

This technique is one of the most used techniques in the past. In this process, some
of the chemicals are added in the water that assists the charged particles to make
some compound that can be coagulated in water. Usually, the colloids carry
negative charges so the coagulants are normally inorganic or organic cationic
coagulants (with positive charge in water). Some of the organic polymers cause
coagulation to an extent that these coagulants combine to give groups and form
sediments that is easy to extract (Ciardelli and Ranieri 2001). The most commonly
used chemicals are FeCls, Al, (SOy4);, FeSOy4, and lime (Verma et al. 2012).

Electrocoagulation

In this technique, effluents are treated in a chamber in which metal electrodes are used
to treat wastewater. Electrode plates are suspended in effluent solution, and it can
remove metal oxide at a specific pH. Metal oxides are coagulated and can be easily
removed from the solution. This method is effective and has been reviewed in many
articles (Khandegar and Saroha 2013). This technique uses direct current source
between metal electrodes immersed in the effluent, which causes the dissolution of
electrode plates into the effluent. The metal ions, at an appropriate pH, can form wide
range of coagulated species and metal hydroxides that destabilize and aggregate
particles or precipitate and adsorb the dissolved contaminants. Therefore, the objec-
tive of the present manuscript is to review the potential of electrocoagulation for the
treatment of industrial effluents, mainly removal of dyes from textile effluent.

Reverse Osmosis
Reverse osmosis membranes have a holding degree of 90% or greater for most

kinds of ionic complexes. Decolorization and removal of chemical auxiliaries in
dyehouse wastewater can be done in a single step by reverse osmosis. Reverse
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osmosis causes the elimination of all mineral salts, hydrolyzed responsive dyes, and
chemical auxiliaries. This process needs a very high energy since a very high
pressure is required herein (Babu et al. 2007).

Nanofiltration

Nanofiltration has been used for the management of color discharges from the
textile industry. Nanofiltration membranes hold low molecular weight organic
complexes, divalent ions, big monovalent ions, hydrolyzed responsive dyes, and
dyeing auxiliaries (Ellouze et al. 2012). In most available studies regarding
dyehouse discharges, the amount of mineral salts does not surpass 20 g/L, and the
amount of dyestuff does not surpass 1.5 g/L (Babu et al. 2007).

Biological Treatment

As compared to physiochemical and photochemical methods, biological methods
can be categorized as cost-effective substitutes of textile wastewater treatment. All
the other methods are costly and have major drawbacks when applied to textile
industry. All the possibilities of biological methods have been studied, and they are
being applied in textile industries using different microorganisms (Sarayu and
Sandhya 2012). It has been studied that a single strain of bacteria or fungi is
effective to remove a dye, but it cannot be applied to remove another dye. There-
fore, this method can’t be adopted at commercial scale (Mendez-Paz et al. 2005).
Recently, a natural colonized algae and duckweed plants were found to be very
effective to treat textile wastewater in a pond experiment (Sekomo et al. 2014).
Biological methods can be categorized as aerobic and anaerobic processes, and they
give the best results when applied to remove organic pollutants from textile
wastewater (Frank et al. 2001). In field applications, aerobic methods did not give
the best results in color removal. Many of the dyes, especially azo dyes, are found to
be resistant in aerobic application (Mustafa and Delia 2006). Urban anaerobic
sludge blanket reactor has been introduced in textile wastewater treatment, and it
gives the best results in treatment of xenobiotic compounds. It has the ability to
handle very resistant compounds also (Jantsch et al. 2002).

Aerobic Biodegradation

There is a natural process in the aquatic ecosystem named as aerobic biodegrada-
tion that is necessary to treat the wastewater of rivers and streams and makes them
clean from pollution loads. The biodegradability of many compounds can be judged
by many parameters such as chemical oxygen demand (COD), biological oxygen
demand (BOD), dissolved oxygen (DO), and the evaluation of carbon dioxide
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(Dos Santos et al. 2003). The main factor of the whole procedure is the assessment
of the chemicals that can be easily biodegraded. There are OECD 301 guidelines
available that must be adopted, and by using this method, there should be 70% DOC
removal (OECD 1993).

If the compound is assessed as biodegradable and conditions are favorable, there
is a possibility that the compound will be biodegraded in wastewater plant same
like it can be degraded in natural environment (Cruz and Buitron 2000). Strotmann
et al. (1995) made a research and developed COz/DOC scheme for effective
removal of DOC. In this design, the compound was mineralized and DOC was
eliminated. There were remarkable results of this procedure, and when it was
compared with Zahn-Wellens test, it provided better information of biodegradabil-
ity of compounds. On the basis of these results, the behavior of many compounds
can be explored in natural environment and in wastewater treatment plants as well.

Anaerobic Biodegradation

Anaerobic degradation is degradation when there is an absence of oxygen or very
low oxygen present in the medium. This kind of degradation usually occurs in lower
sediments in natural aqueous environment because that is poor oxygen medium.
Some kind of sewage waste is also degraded by this procedure. So it can be
predicted that a compound having low solubility in water and can be adsorbed on
solids can be subjected to anaerobic degradation. Anaerobic bacteria or microor-
ganisms achieve this task. This is a complete sequence step process in which
bacteria that act in acidic medium act on organics such as carbohydrates and fats.
These organics may be converted in alcohols and other simple compounds with the
action of acidic bacteria. These products then stimulate the acetogenic bacteria,
which further convert them in carbon dioxide and molecular hydrogen. Then, after
reduction of these products, methane is generated, and methanogen bacteria per-
form this task. Biogas is an important parameter in anaerobic treatment that gives
an assessment about the rate of experiment. There are many researches available
which can explore the aerobic and anaerobic treatment, but a comparative study of
both procedures is missing. There was an effort to assess the volume of biogas, but
there are no set standards to make predictions on the basis of this research (Cruz and
Buitron 2000; Dos Santos et al. 2004).

Complexometric Methods (Refining with Cucurbituril)

It’s a tough choice to use the effective method to treat wastewater because each
process has its own merits and demerits. When we used activated carbon treatment,
this can be effective against organic dye removal, but the other impurities can’t be
handled by using this process in the same way; each process has its own limitation.
It was not until 1905, when there was a little noise about an organic compound
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introduced with the name of cucurbituril. But a remarkable research was not
conducted on this compound. Freeman et al. (1981) explored its chemical proper-
ties. Cucurbituril is a polymer that is made up of glycoluril and formaldehyde.
Studies have revealed that the complex has fairly good sorption capability for
various types of textile dyes. Cucurbituril is recognized to make a complex with
aromatic dyes, and it is reflected that this method is effective for the absorbance of
reactive dyes (Robinson et al. 2001). Cucurbituril was not found to be soluble in
aqueous medium, and its macrocyclic property made it more appropriate against
dye treatment. It makes insoluble complexes that can be easily removed from
wastewater. Later, Buschmann et al. (1996) did an extensive research on this
compound. This was an effective method and can be used in solid state as well.
The removal efficiency of cucurbituril was checked against many dyes such as acid,
base, reactive, and direct dyes, and it provided excellent results against all of them.
The rate of removal depends on many factors such as there may be high solubility of
the complex formed, or there may be poor bonding between dye and cucurbituril.
One of the plus points of this method is that it can never be disturbed by the
presence of organic compounds in wastewater.

Comparison of Different Treatment Methods

There are different methods and technologies that are being applied to treat the
textile wastewater. Different methods provide different efficiencies to remove color
and organic waste. For example, advanced oxidation process is found to be most
effective and gives the best result in color removal. Fenton’s reagents (H,O, and Fez+)
and ozonation are the termed as advanced oxidation technologies that can be
applied to textile wastewater to achieve the best results, but they have some
limitations as well. They are costly, and a large amount of waste in the form of
sludge is produced by these methods. The sludge produced by this method is
difficult to manage (Marco and Jose 2007). Some of the physical methods such as
coagulation flocculation are also found to be effective, but lime, alum, and poly-
electrolytes used in this process cause an enormous amount of sludge that is
difficult to manage and treat, as it can’t be disposed easily. Therefore, this method
can’t be applied alone in textile wastewater treatment. Adsorption process is an
expensive process as it uses activated carbon that is very costly. Other adsorbents
used in adsorption of dyes have high cost, and the textile industry can’t adopt this
method due to high operational cost. Reverse osmosis technique in textile waste-
water treatment is found to be very useful, but its operational cost is also very
high, as it requires very high pressure, and a large amount of energy is consumed
in this process. The budget of textile industries adopting membrane filtration
techniques can be disturbed as nanofiltration and ultrafiltration processes require
high energy, and sludge produced by this process is not easy to handle (Allegre
et al. 2006). Another method uses ultraviolet light, and oxidation compounds such
as H,O, are also being used to treat textile waste, but different catalysts used in
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this process produce by-products that are very harmful (Muruganandham and
Swaminathan 2004). There are some methods having high color removal effi-
ciencies. Electrochemical oxidation is one of them as it has the ability to remove
color, and by-products produced by this method are nontoxic and easy to handle.
But it has its own limitation as its operational cost is also very high and it can
disturb the budget of textile industry (Mohan et al. 2007).

Generally, a combination of two or more advanced oxidation processes such as
UV/ozone, UV/H,0,, ultrasound/ozone, sonophotochemical/sonophotocatalytic oxi-
dation, etc. leads to an enhanced generation of the hydroxyl radicals, which eventu-
ally results in higher oxidation rates. The efficacy of the process and the extent of
synergism depend not only on the enhancement in the number of free radicals but also
on the alteration of the reactor conditions or configuration leading to a better contact
of the generated free radicals with the pollutant molecules and also better utilization
of the oxidants and catalytic activity (Gogate and Pandit 2000a).

Combining ozone and hydrogen peroxide with ultrasound leads to a better
utilization of both the oxidant, hence higher degradation rates due to the dissocia-
tion of ozone and hydrogen peroxide under the action of ultrasound. The mass
transfer resistance, which is a major limiting factor for the application of ozone or
hydrogen peroxide alone, is also eliminated due to the enhanced turbulence gener-
ated by ultrasound. The operating frequency is a crucial factor in deciding the
synergism and should not be increased beyond 500 kHz (Gogate and Pandit 2000b).
The problems of high-frequency operation and existence of optima beyond which
the rates of degradation decrease have been discussed in detail in the earlier work
(Gogate et al. 2002). Ozone/hydrogen peroxide hybrid technique gives better
results as compared to the use of ozone or hydrogen peroxide especially for the
treatment of pollutants, refractory toward ozone, e.g., organophosphoric acid
tri-esters. As the synergism is strongly dependent on the efficient use of hydroxyl
radicals, concentration of radical scavenging agents plays a crucial role in deciding
the overall efficacy of the process (Gogate and Pandit 2004).

In the case of sonophotochemical/sonophotocatalytic reactors, it is important to
have simultaneous irradiation of ultrasound and UV light rather than sequential
operation. Addition of hydrogen peroxide or ozone to this hybrid system until an
optimum value as an additional source of the free radicals also increases the extent of
destruction (Fung et al. 2001) The major factor controlling the overall efficiency of
destruction is, however, the stability of the photocatalyst under the effect of ultra-
sound, and efforts are required in terms of new designs, which will protect the catalyst
but at the same time will give enhanced effects (Fung et al. 2001). Photo-Fenton
processes offer additional advantages in terms of possibility in the use of sunlight
instead of UV light with a minor decrease in the rate of degradation, which is a very
important factor for the scale-up and commercial use as the costs of treatments will be
substantially lower for the sunlight irradiation.

All the processes discussed above have their own merits and demerits. Indeed,
the selection of the process that gives the best outcome with less polluting
by-products and low cost is a difficult task (Rajkumar and Kim 2006) (Table 1).
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Table 1 Representative studies on the applications of combined treatment systems on textile

effluent

Treatment
processes

First stage

Second stage

Outcome

References

Physical/
membrane
treatment

Coagulation

Ultrafiltration

Achieved substantial colloidal
particle removal (>97%) of
turbidity removal) regardless
of type and dosage of coagu-
lants used, but degree of mem-
brane fouling was highly
dependent on type of coagu-
lants used. Study has proven
that inorganic coagulants were
more efficient to reduce fouling
compared to polymeric
coagulants

Choo et al.
(2007)

Membrane
treatment

Ultrafiltration

Nanofiltration

Authors claimed that UF was
an appropriate pretreatment of
an NR/RO process for textile
wastewater reuse. To deal with
the wastewater with high vari-
ability values of COD and
conductivity, they observed
that flux decline was significant
at the lowest cross flow veloc-
ity studied due to the solid
deposition onto the membrane
surface

Barredo-
Damas
et al.
(2006)

Physical/
membrane
treatment

Coagulation/
flocculation

Nanofiltration

Study reported that the quality
of permeate after coagulation/
flocculation did not match the
requirement of reuse on the
site. However, this method
could act as pretreatment of NF
to limit membrane fouling. By
using this integrated approach,
high-quality permeate could be
obtained

Suksaroj
et al.
(2005)

(continued)
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Table 1 (continued)
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Treatment
processes

First stage

Second stage

Outcome

References

Chemical/
membrane
treatment

(2005)

Electrochemical
oxidation

Membrane
filtration

Study indicated the feasibility
of combined processes for
treatment of textile wastewater.
Membrane prior to electro-
chemical oxidation process
showed promising results in
terms of COD, turbidity, and
colorremoval (RCOD =89.2%,
Rturbidity = 98.3%,

Rcolor = 91.1%) compared to
electrochemical oxidation prior
to membrane process

(RCOD = 86.2%,

Rturbidity = 95.1%,

Rcolor = 85.2%). This is due to
lower color concentration
remaining in wastewater after
the electrochemical oxidation
process

Chen et al.
(2005)

Chemical/
biological
treatment
(2003)

Ozonation

Aerobic

The use of ozonation as
pretreatment was able to
increase the bioavailability of
the dye before it was treated
with the aerobic process. To
achieve higher color (99.8%)
and DOC (85%) removal,
higher doses of ozone were
required. This would make it
less economically favorable

Libra and
Sosath
(2003)

Physical/
membrane
treatment

Sand filtration
and membrane
filtration

Nanofiltration

Sand filtration and MF in a
pilot plant were fundamental in
reduction of suspended solids
(100%) and turbidity (78%).
To completely remove COD,
conductivity, and color, NF
was responsible for removal

Marcucci
et al.
(2002)

A combination of physical, chemical, and biological method can be cost-
effective and efficient treatment option for textile wastewater treatment. In a recent
study, a combination of Fenton and anaerobic oxidation (F + SBR) reactor was
found to be very effective in removing E. coli and toxic organic compounds (Blanco
et al. 2012). A best strategy toward the textile industry pollution reduction is
adoption of cleaner production technologies.
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There are three strategies that can be implemented in textile industry designs.
These strategies are briefly summarized hereunder.

Less Polluting Raw Material

Selection of less polluting raw material is a prescreening process, and by adopting
this strategy, textile companies can reduce waste generation from the very first step
such as, instead of azo dyes, use vat dyes when possible, and reuse dye and wash
wastewater for preceding process (Tsai and Chou 2004).

Substituted Products

The less polluting and easily degradable chemicals can substitute highly polluted
chemicals that cannot be easily degraded. In the same way, textile companies can
select the treatment designs that cause less pollution like substitution of chemical
treatment with the mechanical one (Fitzpatrick et al. 2010).

Process Modification

Industries should adopt the process that is cost-effective, is energy efficient, and
according to local conditions provides the best degradation. Usually a hybrid model
can be used to achieve the best removal (Van der Bruggen et al. 2004). The
objective of this study was to provide the best treatment options according to
Pakistan situation. The combination of two processes enhances the ability to
degrade the pollutants. The best design should have unique characteristics such as
(a) the capacity to provide high biodegradation and maximum removal rate that
cannot be achieved by the single process, (b) retention time which does not exceed
the time of single process, and (c) its cost-effectiveness.

Conclusions and Perspectives

It must be said that the advanced oxidation processes or even the hybrid methods
may not be useful in degrading large quantum of the effluent with economic
efficiency and hence it is advisable to use these methods for reducing the toxicity
of the pollutant stream to a certain level beyond which biological oxidation can take
care of the complete mineralization of the biodegradable products. An optimized
pretreatment stage (in terms of the oxidant dose and the reduction in the toxicity
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level) will substantially decrease the total treatment time and hence the size of the
reactor using the combination technique. It is recommended that the added oxi-
dants, e.g., hydrogen peroxides, are completely utilized in the pretreatment stage
alone, as its continued presence may hamper the activity of the microorganisms. It
is also important to analyze the constituents of the effluent stream after the
pretreatment stage as it may happen that some of the intermediates formed as a
result of the oxidation are biorefractory or more toxic than the parent compound.

It is also important to develop realistic and generalized kinetic and yet mecha-
nistic models for predicting the rates of the degradation process as a function of
different operating parameters. The developed kinetic model should consider the
effect of all the constituents of effluent stream even if the concentrations are in
traces, e.g., radical scavengers and also the different reactions taking place in the
chain of radical reactions. In Pakistan, most of the textile industries discharge
untreated wastewater into water bodies without any treatment, which percolates
into the groundwater posing a threat to the health and socioeconomic life of the
people. Characterization of wastewater is necessary to determine the type and
scheme of treatment required. This chapter proposes the treatment options to
control textile wastewater pollution. It is clear that textile wastewater can be treated
through different processes including Fenton treatment, ozonation, adsorption,
nanofilteration, aerobic biological treatment, and anaerobic treatment such as
upflow anaerobic sludge blanket reactor, etc. After comparing the advantages and
disadvantages of these processes, the best strategy is to use aerobic and anaerobic
biological treatment in combination for textile industry wastewater treatment
(Manu and Sanjeev 2003). Moreover, instead of focusing on end-of-pipe treatment,
the adoption of cleaner production technologies is necessary to reduce pollution at
source. This can be done through selection of less polluting alternate raw materials,
reuse of wash water, and conservation of water, chemicals, and energy by following
cleaner production practices in textile industries.
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Decontamination of Hexavalent
Chromium-Polluted Waters:
Significance of Metallic Iron Technology

Marius Gheju

Abstract Chromium (Cr) is an important metal used in a variety of industrial
applications, which significantly contribute to pollution of air, soil, and waters. In
natural environments, chromium can exist mainly in two of its most stable oxida-
tion states, (+1II) and (4 VI). Among them, Cr(VI) is the most hazardous due to its
high mobility in the environment and severe harmful effects exerted on all living
matters. Therefore, it should be removed from all contaminated waters. During the
last 25 years, there has been great interest in using metallic iron (Fe’) for the
abatement of Cr(VI) pollution. The first mechanism, known as the reductive-
precipitation mechanism, was proposed at the beginning of the nineties, and
attributed the efficiency of Fe’ in removing Cr(VI) mainly to the direct electron
transfer from the Fe’ surface to Cr(VI), followed by precipitation of the resulted
cations as simple hydroxides and/or mixed Fe(IIl)-Cr(IIT) (oxi)hydroxides.
Recently, new perspectives were added to this early mechanism. A new concept,
known as the adsorption-coprecipitation mechanism, suggests that direct reduction
with Fe?, if applicable, is less important than had previously been assumed by the
reductive-precipitation mechanism; accordingly, contaminants are quantitatively
removed in Fe’/H,O systems principally by adsorption, coprecipitation, and size
exclusion, while reduction, when possible, is mainly the result of indirect reducing
agents produced by Fe” corrosion. In spite of the substantial research work that has
proven the capability of metallic iron as a reactive material to remove Cr(VI), there
is no consensus at this time in what regards the mechanism of this process.
Therefore, after providing an overview of chromium occurrence, chemistry, and
toxicity, this work will critically review the existing knowledge on this subject,
clearly demonstrating that mechanism of Cr(VI) removal with Fe® is more complex
than the simple reductive precipitation.
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Introduction

Chromium is an element discovered by Nicolas Vauquelin, a professor of chemistry
at the Paris Ecole des Mines. In 1797 he was the first who produced chromium
oxide (CrOj3) by dissolving crocoite (PbCrO,) in hydrochloric acid; a year later, he
was able to isolate metallic chromium by heating the oxide in a charcoal oven. The
element was named after the Greek word “chroma,” meaning color, because of the
many different colored compounds displayed by chromium (Guertin et al. 2005).
On the periodic table, chromium is the 24th element, member of group VI B along
with molybdenum and tungsten, with an average atomic weight of 52 and an
electron configuration of [Ar] 3d° 4s! (Shupack 1991; Barnhart 1997; Guertin
et al. 2005). Chromium is found throughout the environment within the ranges of
10-150 mg/kg, 0.1-6 pg/L, and 0.015-0.03 pg/m?, in soil, water, and air, respec-
tively (Choppala et al. 2013). Chromium oxidation states range from (—IV) to
(+VI (Cotton et al. 1999; Guertin et al. 2005); however, from a thermodynamic
standpoint, the most stable chromium compounds are in the +III and +VI states,
characterized by different toxicities and chemical behaviors (Fendorf 1995;
Kimbrough et al. 1999). The main equilibria of hexavalent chromium species in
aqueous solution are (Cieslak-Golonka 1995; Fendorf 1995; Zink et al. 2010):

H,CrO; + H,0 & HCrO4~ + H;0" K =107 (1)
HCrO;~ + H;0 & CrO4*” + ;07 K=107%° (2)
HCrO4~ + HCrO;~ & Cr0;*” + H,0 K =333 (3)

The dimerization of the HCrO,~ oxyanion occurs at pH 2—6 (Cotton et al. 1999);
Cr20727 becomes significant when total Cr(VI) concentrations are greater than
52 mg/L or even dominates when total Cr(VI) concentrations are greater than
1.56 g/L (Palmer and Wittbrodt 1991; Palmer and Puls 1994). However, since
such high Cr(VI) concentrations are not commonly found in natural waters (Rai
et al. 1989), under environmentally relevant pH values, hexavalent chromium exists
only as HCrO,~ (predominant at pH < 6.5) and Cr0427 (predominant at pH > 6.5)
oxyanions (Fendorf 1995). Hexavalent chromium anions are species with high
solubility in water; in the same time, being negatively charged, they are only
weakly sorbed onto inorganic surfaces. Hence, Cr(VI) species have a significant
mobility in water and soil (Fendorf 1995; Fendorf et al. 2000; Lin 2002). On the
other hand, trivalent chromium is a weak Bronsted acid which readily hydrolyzes in
solution and precipitates as Cr(OH); (Rai et al. 1987, 1989; Palmer and Wittbrodt
1991; Kotas and Stasicka 2000):

[Cr(OH, )]+ Hy0 & [Cr(OH,)5(OH)** + H;0% Ky = 1078 (4)
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[Cr(OH,)5(OH)]*" + H,0 & [Cr(OH,),(OH),]" + H;0% Ky = 1071 (5)
[Cr(OH,),(OH),]" + H,0 & [Cr(OH,);(0H);] + H;0" Ky =107 (6)

[Cr(OH,);(OH),] 4+ H,0 < [Cr(OH,),(0OH),]” + H;0" Ky = 107" (7)

Since the hydrolyzed forms of Cr(III) have a low solubility and binds strongly to
both inorganic and organic particles, trivalent chromium has a much lower mobility
in water and soil than hexavalent chromium. Hexavalent chromium compounds
resemble important anions for diverse biochemical processes, such as sulfates and
phosphates; thus, they readily penetrate cell membranes via anion transport mech-
anisms, which make them highly toxic to most living organisms (Costa 1997, 2003;
Borthiry et al. 2007; Cheung and Gua 2007); in addition, Cr(VI) compounds are
well-established human carcinogens by the inhalation route of exposure (Wise et al.
2002, 2006; Beaver et al. 2009; Zhang et al. 2011) and potential carcinogens by the
ingestion route of exposure (Stout et al. 2009; Stern 2010; Linos et al. 2011; Yuan
et al. 2011; Zhitkovich 2011). On the contrary, Cr(Ill) compounds have a low
solubility at circumneutral pH and do not resemble any biological nutrient, which
makes them having a low membrane permeability; as a result, toxicity of Cr(III)
compounds to a living cell is up to 1000 times less than of Cr(VI) (Rai et al. 1987;
Bagchi et al. 2002; Costa 2003; Zhang et al. 2011). Moreover, Cr(III) is recognized
as an essential micronutrient for lipid, protein, and fat metabolism in animals and
humans, which plays an important role as a regulator of insulin activity (Anderson
1997, 1998; Guertin et al. 2005; Pechova and Pavlata 2007).

Chromium is a major heavy metal pollutant of aquatic environments, released
mainly from industrial processes such as ore mining and refining, preparation of
chromium compounds, metallurgy, leather tanning and mordanting processes,
textile dying, metal electroplating, wood preservation, production of colored glass
and ceramics, corrosion control in cooling water, refractory industry, anodizing of
aluminum and waste disposal (Guertin et al. 2005; Gheju 2011). As a result,
chromium contamination has been often reported in many industrial sites due to
unsuitable storage, accidental leakages or improper disposal practices (Blowes et al.
1999; Kotas and Stasicka 2000; Guertin et al. 2005; Flury et al. 2009). It is
estimated that the annual chromate discharge worldwide as a result of all industrial
activities is 239 x 10° t (Kim et al. 2002). Because of high toxicity of Cr (VI), the
World Health Organization considers chromium as a priority pollutant and pro-
posed a maximum allowable limit for total chromium of 50 pg/L for drinking water
(WHO 2011). Several technologies have been proposed to remove hexavalent
chromium from polluted waters (Mohan and Pittman 2006; Owlad et al. 2009;
Gheju 2011; Hashim et al. 2011; Malaviya and Singh 2011; Barrera-Diaz et al.
2012; Choppala et al. 2013; Kalidhasan et al. 2016). These include reduction to Cr
(III) followed by precipitation (Clifford et al. 1986; Chang 2003; Erdem and Tumen
2004; Gheju and Balcu 2011), sorption on various adsorbents (Jia et al. 2014; Di
Natale et al. 2015; Perez et al. 2015; Zhao et al. 2015; Gore et al. 2016), ion
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exchange (Gode and Pehlivan 2005; Xing et al. 2007; Shi et al. 2009), membrane
separation processes (Aroua et al. 2007; Muthukrishnan and Guha 2008; Xu et al.
2014; Kumar et al. 2015), biological remediation (Zazo et al. 2008; Ahmad et al.
2010; Tang et al. 2014; Thacher et al. 2015; Mamais et al. 2016), electrochemical
remediation (Cheballah et al. 2015; El-Taweel et al. 2015; Sun et al. 2015), and
photocatalytic remediation (Dozzi et al. 2012; Liu et al. 2012a; Shi et al. 2015;
Naimi-Joubani et al. 2015; Boruah et al. 2016). Because of the differences in
solubility and toxicity between Cr(VI) and Cr(IIl), the conventional procedure
generally used to treat Cr(VI) contaminated waters consist in chemical reduction
of Cr(VI) followed by precipitation of the resulted Cr(III). Its reduction to trivalent
chromium is beneficial because, this way, a more mobile and more toxic chromium
species is converted to a less mobile and less toxic one. The chemical agents
commonly investigated for Cr(VI) reduction are ferrous iron, sulfur dioxide, hydro-
gen sulfide, sulfides, polysulfides, sulfites, metabisulfites, and thiosulfates (Baldea
and Nioc 1970; Bowers et al. 1986; Clifford et al. 1986; Beukes et al. 2000; Lan
et al. 2006; Kim et al. 2007). Over the past 25 years, there has been great interest in
using another reagent with reductive capability, metallic iron (Fe), for the removal
of Cr(VI). Therefore, the objective of this chapter is to provide new insight on the
use of Fe? for the treatment of Cr(VD-polluted waters.

The Beginnings

The early 1990s studies of Gillham, O’Hannesin and their research team (Reynolds
et al. 1990; Gillham and O’Hannesin 1991, 1994; O’Hannesin and Gillham 1993),
focused on chlorinated aliphatics, are now recognized as the starting point of
remediation with elemental metals (Noubactep and Care 2010b; Noubactep and
Schoner 2010). However, the ability of metals to degrade chlorinated hydrocarbons
was not a new discovery, being already patented in the early 1970s by Sweeney and
Fischer (1972). The Fe-mediated removal of chlorinated organic compounds from
contaminated waters was further studied in the course of the 1980s (Sweeney
1981a, b; Senzaki and Kumagai 1988, 1989). The scientific community, unfortu-
nately, largely overlooked all this work, presumably because it appeared in the
patent literature, in non-refereed journals, or in non-English journals (Gillham and
O’Hannesin 1994; Gillham 2008). Moreover, the technology of using metallic iron
for water potabilization was already established in Europe around year 1890
(Mwakabona et al. 2017). In spite of all these early evidences, studies of Gillham
and O’Hannesin are the ones which truly marked the beginning of using metallic
iron as reactive material in passive underground porous walls. This happens
because they proved the effectiveness of this reagent in removal of chlorinated
aliphatics at the right moment, in the middle of a growing concern regarding
pollution of groundwater. In the early 1990s, this was a brand-new water treatment
technology that received a great deal of attention after McMurty and Elton (1985)
published their original idea of using an underground reactive media for in situ
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treatment of polluted groundwater. A passive underground porous wall, or perme-
able reactive barrier (PRB), is a porous reactive or adsorptive medium that is placed
in the path of a contaminated groundwater plume with the aim of either to capture
the contaminants, or to transform them into less harmful substances, as the ground-
water flows through the barrier (Blowes et al. 1997; Noubactep and Schoner 2010).

Just like for the organic chlorinated compounds, the effectiveness of treating
hexavalent chromium-polluted waters with metallic iron was also demonstrated
well before 1990. To the best of author knowledge, one of the first works in the field
of Cr(VI) removal with metallic iron was published by Hoover and Masseli (1941)
76 years ago. The authors reported complete reduction of 250 ppm chromate with
scrap sheet steel punchings within 4 h, at pH 2.2; in addition, the copresent copper
was also removed from wastewater by deposition on scrap iron, process which
further facilitates Cr(VI) reduction. Almost three decades later, Case and Jones
(1969) investigated the simultaneous removal of Cu and Cr(VI) starting from the
well-known cementation process; it was demonstrated that, under acidic conditions
(pH 1.5-3), reduction of Cr(VI) with Fe’ was both rapid and quantitative (Case and
Jones 1969). Then, in a subsequent study, Case (1974) revealed that Cr
(VD) reduction process was catalyzed in the copresence of Cu, as a result of copper
cementation, in concordance with previous observations of Hoover and Masseli
(1941). Several years later, Gould (1982) studied the kinetics of hexavalent chro-
mium reduction with reagent-grade iron wires under acidic conditions, showing that
reduction rate was dependent on the hydrogen ion concentration, hexavalent chro-
mium concentration and iron surface area. The results of Gould were partially
confirmed by Bowers et al. (1986) who evaluated the kinetics of Cr(VI) reduction
with scrap iron fillings. In spite of all these pioneering works, the use of metallic
iron for the abatement of Cr(VI) aquatic pollution has received a great deal of
attention only after Gillham and O’Hannesin published their aforementioned stud-
ies in the early 1990s. As far as [ know, Blowes and Ptacek (1992) were the first
who assessed the ability of several reactive solid materials, including Fe® (fine-
grained Fe’, coarse-grained Fe’, siderite and pyrite), to remove chromate from
contaminated groundwater; the reported results suggested that, while all of these
materials may be used to remove Cr(VI) at low groundwater velocities, only fine-
grained Fe would be suitable for locations with rapid groundwater flow. In a
subsequent work carried out 5 years later, Blowes et al. (1997) further studied the
ability of the same four Fe-bearing solids to remove dissolved Cr(VI) from syn-
thetic groundwater; the new results confirmed the high reduction efficiency of
metallic iron, while showing that Cr(III) solids formed inside the PRB will remain
stable after the input of dissolved Cr(VI) ceases. The results of a kinetic study
carried out by Cantrell et al. (1995) demonstrated the capacity of metallic iron to
rapidly remove not only CrO,*~ but also TcO,  and UO,>", suggesting that a
relatively inexpensive barrier of practical dimensions can be used for in situ
remediation purposes. All these findings were confirmed in two subsequent studies
which investigated the subsurface chromate remediation with Fe’ in systems of
natural aquifer materials (NAM), concluding that copresence of NAM has a
beneficial effect on the efficiency of Cr(VI) removal with metallic iron
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(Powell et al. 1995; Powel and Puls 1997). The favorable effect of pH and NAM
copresence was attributed to the ability of NAM to undergo dissolution and provide
protons and, hence, to the capacity of NAM to buffer pH (Powell et al. 1995; Powel
and Puls 1997). A pilot-scale field PRB composed of a Fe’/coarse sand/native
aquifer solid mixture was initiated in September 1994 at Elizabeth City, USA, to
evaluate the in situ remediation of a mixed plume of chromate, trichloroethylene,
cis-dichloroethylene and vinyl chloride. Monitoring studies carried out at this site
reported that dissolved chromate concentrations were reduced from 4.5 mg/L to less
than 0.01 mg/L, while significant reductions in chlorinated organic compounds
were also achieved (Bennett et al. 1997; Puls et al. 1999b). The success of this pilot-
scale test eventually led to full-scale (46 m long, 0.6 m thick, 7.3 m deep)
implementation of the PRB technology at the site in June 1996 (Blowes et al.
1999). Before the realization of the PRB, batch and column laboratory tests were
conducted using native aquifer materials from the Elizabeth City site and three
types of granular Fe’, to determine the mixture which would be the best suited for
simultaneously treating Cr(VI) and TCE contaminated groundwater; of the reactive
mixtures tested, the ones containing 100% granular Fe® had the most rapid reaction
rates for both Cr(VI) and TCE removal; therefore, the PRB was composed entirely
of granular iron (Blowes et al. 1999). Most of the studies investigating the Elizabeth
City PRB suggested that responsible for the removal of Cr(VI) was the reductive
precipitation mechanism, which involves two steps: (1) direct (heterogeneous)
reduction of Cr(VI) to Cr(III) with Fe® and (2) precipitation of Cr(IIl) as Cr(OH);
or as Fe(II)-Cr(IIl) (oxy)hydroxides (Blowes et al. 1998, 1999, 2000; Puls et al.
1999a). However, there are also scientists who suggested that indirect reduction
with Fe(IT) (dissolved or present in the structure of some solid secondary minerals)
may also have an important contribution to removal of Cr(VI) from groundwater
(Wilkin et al. 2003, 2005). Even though the hydraulic conductivity of the PRB
continuously decreased in time due to buildup of mineral precipitates (Wilkin et al.
2003, 2005), consistent removal of Cr(VI) in any of the down-gradient compliance
wells was still observed after 15 years of operation, from influent concentrations of
up to 10 mg/L to less than detection limits (Wilkin et al. 2014).

Chemistry of Hexavalent Chromium Removal with Fe’

Mechanism of Hexavalent Chromium Removal

Most of the early research dealing with the metallic iron remediation of hexavalent
chromium pollution was mainly focused on the in situ treatment of polluted
groundwater with Fe®-based PRBs. Their main aim was to investigate the efficiency
and practical applicability of this new technology, as well as the parameters
affecting its long-term performance under natural field conditions. Only few
works have attempted to elucidate the Cr(VI) removal mechanism and/or to
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characterize the mineral species generated at the surface of Fe” during this process.
For instance, XPS investigations carried out by McCafferty et al. (1988) on the
surface composition of Fe? passivated in aqueous chromate solutions showed that
chromium and iron were present in the passive film only as Cr(IIT) and Fe(III), with
the outer portion of the passive film enriched in Cr’", while Fe®>" being prevalent in
the inner portion; the concentration of Cr(IIl) in the passive layer decreased with
increasing concentration of chromate, from 15% at 1074 M CrO42_ t0 9% at 10!
M CrO4>~ (McCafferty et al. 1988). Studying the chromate removal in the presence
of Fe' filings and quartz grains, Pratt et al. (1997) identified the mineralogical and
geochemical nature of the secondary reaction products formed during the process; it
was reported that all detectable chromium in the near-surface Fe® coating (50 A)
occurred as Cr(III), which reside in a lattice environment similar to that in Cr,Os3
(Pratt et al. 1997). Starting from the well-known fact that metallic iron is a powerful
reductant and it can serve as electron donor, direct reductive dechlorination was
initially considered as the most likely cause of chlorinated organics removal with
metallic iron (Reynolds et al. 1990; Gillham and O’Hannesin 1991, 1994;
O’Hannesin and Gillham 1993):

Fe’" +2e” < Fe’ E°=-044V (8)

Fe’ + R-Cl + H,0 — Fe’" + HO™ +R-H + CI~ 9)

Because Cr(VI) reduction by Fe is also favorable from a thermodynamic
standpoint, most of the early 1990s studies suggested that Cr(VI) removal in
zerovalent iron PRBs occurs by a similar mechanism, which involves, in a first
step known as direct (heterogeneous) reduction, the direct electron transfer from the
surface of Fe’ to Cr(VI) (Cantrell et al. 1995; Blowes et al. 1997, 2000; Pratt et al.
1997; Puls et al. 1999a, b; Scherer et al. 2000):

2HCrO,~ + 3Fe” + 14H™ — 3Fe’* + 2Cr** + 8H,0 (10)

It was suggested that direct Cr(VI) reduction with Fe® may occur through the
following steps: (1) Cr(VI) diffusion from the bulk solution to the Fe’ surface,
(2) adsorption of Cr(VI) onto the surface of Fe?, (3) reduction of Cr(VI) at the
surface of Fe’, (4) desorption of some reduction products from the surface, and
(5) transport of desorbed reduction products to the bulk solution (Scherer et al.
2000; Ai et al. 2008; Fiuza et al. 2010; Noubactep 2010a, b; Vega et al. 2010).
However, this mechanism does not explain the electron transport through the
air-formed passive oxide layers, which cover, usually, the commercial Fe materials
(Ritter et al. 2002; Odziemkowski and Simpraga 2004). Numerous studies have
attempted to characterize oxides covering the unreacted Fe’ materials, generated
either due to the high temperature thermal production processes, or due to contact
with air during their storage. These investigations have shown that “as received”
Fe® materials were covered with mineral species such as magnetite (FesO,),
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hematite (a-Fe,O3), maghemite (y-Fe,Oj3), goethite (a-FeOOH), lepidocrocite
(y-FeOOH), fayalite (Fe,SiO4) and wustite (FeO) (Astrup et al. 2000; Ritter
et al. 2002; Odziemkowski and Simpraga 2004; Kohn et al. 2005; Yang et al.
2007; Chen et al. 2008). Raman microspectroscopy analysis of commercial Fe’
materials (Odziemkowski and Simpraga 2004) revealed that air-formed passive
layer was comprised from an inner layer (magnetite), which is conducting with
respect to electrons, and an outer layer (hematite, maghemite), which does not
conduct electrons. When the oxide layer is fractured or presents a heterogeneous
thickness, the reaction will occur either in the inner non-oxidized Fe® core or
throughout the fractures. Additionally, it was also suggested that Cr(VI) direct
reduction can still take place if Fe® particles are totally covered with oxidation
layers, but, in this case, at a considerably slower rate (Vega et al. 2010). Instead,
when the oxide layer becomes too thick, electron transport is totally inhibited and
the reduction of chromate at Fe® surface can no longer occur (Qiu et al. 2000).
Thus, the existence of corrosion layers should, at least theoretically, indicate that
Fe' is not reactive toward contaminants, which is in contrast with the proven
effectiveness of Fe® technology. One possible reason of the high efficiency of
Cr(VI) removal with Fe’ could be the fact that thermal electrons, such as those
involved in chemical reactions, can travel much longer distances within a solid
than photoelectrons can; since oxide layers are usually thin, they allow the
electron transfer to occur (Qiu et al. 2000). Another explanation may be the
breakdown of the passivating Fe,O; layer by autoreduction in contact with
water, under the reducing conditions that prevail inside a PRB; this process
opens up the structure of the protective oxide and promotes localized corrosion,
either by dissolving into solution or by forming additional magnetite, which has a
porous structure and allows the electron transfer from Fe’ to Cr(VD) (Egs. 11 and 12)
(Ritter et al. 2002; Odziemkowski and Simpraga 2004):

Fe,05 4+ 6H" 4 2e~ — 2Fe*" + 3H,0 (n

3Fe, 03 + 2H" +2¢” — 2Fe;04 + H,O (12)

However, even electrically conductive layers, such as magnetite, may passivate
the Fe® if they inhibit the movement of Fe?" to solution (Farrell et al. 2000). Hence,
the best explanation of the Fe” technology effectiveness could be the fact that direct
reduction is not the sole mechanism involved in the removal of Cr(VI) with Ee
(Gheju 2011). In one of the pioneering works in this field, Gould (1982) reported
that 1.33 mole of Fe® was dissolved for each mole of Cr(VI) reduced; based on this
observation, he suggested that molecular hydrogen and/or atomic active hydrogen
species generated during iron dissolution could be the reductants responsible for the
high effectiveness of Cr(VI) reduction with Fe® under acidic conditions (Gould
1982). This possibility was later confirmed by Cantrell et al. (1995), who suggested
that Fe>" and H, may also be considered as possible reductants of Cr(VI). Gheju
et al. (2008) and Gheju and Balcu (2010) reported a rapid decrease of Fe’" in
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column effluent, indicating that Fe>™ was an important reducing agent for Cr(VI),
due to the high Fe*" concentrations in column pore water (Gheju et al. 2008);
actually, Fe>™ concentrations were much higher than should theoretically be
according to the stoichiometry of Eq. 10, suggesting that, at least at low pH, the
primary source of soluble Fe?" was Fe’ dissolution by H" ions (Gheju et al. 2008).
All these results are in accord with findings reported in several other studies who
also suggested that Fe?" released from the oxidation of Fe’ with Cr(VI), H', or
H,O may reduce Cr(VI) to Cr(II) (Qiu et al. 2000; Chen et al. 2007; Jeen et al.
2008; Flury et al. 2009). Therefore, a second Cr(VI) reduction pathway—the indirect
(homogeneous) reduction—should be also taken under consideration, involving Cr
(VI) reduction by dissolved ferrous iron and molecular/atomic hydrogen, generated
as a result of Fe’ corrosion (Gould 1982; Bowers et al. 1986; Ponder et al. 2000;
Scherer et al. 2000; Marsh and MclInerney 2001; El-Shazly et al. 2005; Reardon
2005; Noubactep 2009a):

2Fe” + 0, 4 2H,0 — 2Fe?" + 4HO™ (13)

Fe’ + 2H,0 — Fe’* + H, + 2HO™ (14)

Fe® + 2H" — Fe’* + H, (15)

1/2Fe” + HY — 1/2Fe*" + H* (16)

H* + H* - H, (17)

HCrO,~ + 3Fe’™ + 7TH" — 3Fe’* + Cr'™ 4 4H,0 (18)
1/3Cr04*>~ +5/3H" + 1/2H, — 1/3Cr*" +4/3H,0 (19)
3H* + Cr(VI) — Cr** + 3H" (20)

Under circumneutral pH conditions, both direct and indirect reduction pathways
are followed by precipitation of the resulted cations, as simple hydroxides and/or
mixed chromium(IIl)-iron(IIT) (oxy)hydroxides (Palmer and Puls 1994; Cantrell
et al. 1995; Pratt et al. 1997; Puls et al. 1999a; Blowes et al. 2000; Fiuza et al. 2010):

Fe*" 4y +2HO ™ (,q) — Fe(OH), (21)
Fe" (4q) +3HO ™ (o) — Fe(OH)s,) (22)
Cr't(yg +3HO (o) — Cr(OH)s; (23)

(1 - x)Fe”(aq) + (x)Cr3+(aq) + 3H20(1) - Cerel—x(OH)3(s) + 3HJr(aq) (24)

(1-— x)Fe3+<aq> + (x)Cr3+(aq) + 2H0(;) — Cr.Fe;_(OOH) ) + 3H () (25)

where x varies from O to 1.
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Then, chromium and iron hydroxides may be further converted to oxides
(Gheju 2011):

2Cr(OH), — Cr,05 + 3H,0 (26)
3Fe(OH), — Fe304 + H, + 2H,0 (27)
Fe(OH), — FeOOH + H,0 (28)
3FeOOH + H' — Fe;0,4 + 2H,0 (29)

The stability of chromium fixation was confirmed by Calderon and Fullana
(2015) who studied the effect of aging of nano-Fe® on the release of retained
heavy metals; they showed that while some of the adsorbed Zn, Cu, Ni, and Cd
were released back to the water during the aging of Fe’, no redissolution of Cr was
observed, which might be ascribed to Cr(IIl) incorporation into the nano-Fe’ core
and not at the surface (Calderon and Fullana 2015).

Because the standard reduction potential of the Fe>* ,/Fe* ", and Fe* " o /Fe* ™ )
couples is E° = (—0.02) — (+0.77) V (Stumm 1990) and E° = (—0.35) — (—0.65) V
(White and Paterson 1996), respectively, from thermodynamic perspective, it
seems that solid Fe(Il) is a stronger reducing agent than dissolved Fe(Il) (Noubactep
2009a; He et al. 2016). Therefore, another indirect pathway may involve Cr(-
VI) reduction by secondary mineral phases containing Fe(II), such as ferrous sulfides,
magnetite, siderite, or green rust, commonly reported as corrosion products formed on
the Fe® surface (Fendorf et al. 2000; Williams and Scherer 2001; Doyle et al. 2004;
Noubactep 2007):

3Fe"Fe™,0, + HCrO,~ + 14H,0 + HT

— 4[Fe( 75Crg25](OH); + 6Fe(OH), (30)
3[Fe"4Fe'",(OH),, ] [SO4 3H,0] + 4HCrO,~ + 5H,0
— 16[Fe( 75Cro 5] (OH); + 2H" 4 3S0,4*~ + 6Fe(OH), (31)
3FeS; + CrO4*~ + 8H" — Cr’" + 3Fe*™ 4 3S,%” + 4H,0 (32)
2FeS + 3Cr04*” + 9H,0 — 4[Fe25Cro75)(OH); + Fe’t + S,05*~
+ 6HO™ (33)

3FeCO; + HCrO, ™~ + 8H,0 — 4[Feq75Cro,s](OH), 4+ 2H' 4 3HCO; ™ (34)

It is well known that under circumneutral neutral conditions, metallic iron is
usually covered by thin layers of iron oxides (Gheju 2011); since all these iron
corrosion products are mostly positively charged, this makes them good adsorbents
for negatively charged pollutants such as Cr(VI) (Noubactep 2015). Therefore,
adsorption is another possible Cr(VI) removal mechanism or, at least, an important
step of the Cr(VI) removal mechanism, which must be taken under consideration in
FeO/H20 systems. For instance, adsorption of Cr(VI) on goethite was described to
occur as follows (Geen et al. 1994):
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Fe-OH + CrO,*” + H' & Fe-CrO;~ + H,0 (35)

It was suggested that adsorption of Cr(VI) on goethite takes place via a
two-step specific mechanism (Fendorf et al. 1997; Grossl et al. 1997). The first
step involves an initial ligand exchange reaction of aqueous Cr(VI) oxyanions
with OH ligands, forming an inner-sphere monodentate surface complex; the
subsequent stage involves a second ligand exchange reaction, resulting in the
formation of an inner-sphere bidentate surface complex (Fendorf et al. 1997,
Grossl et al. 1997). In a very recent study, He et al. (2016) revealed that Fe(II)/
Fe(Ill) hydroxides were highly effective in the removal of aqueous Cr(VI). The
results indicated that the amount of Cr(VI) removed from solution was propor-
tional to the absolute content of structural Fe(Il) in Fe(Il)/Fe(IIl) hydroxides. In
addition, it was also reported that the process proceeds in two steps: a first rapid
stage at the beginning (first 10 min), followed by a second one, less rapid. The
initial rapid phase was supposed to be governed by a complicated mechanism
comprised of simultaneous adsorption and reduction, with adsorption having an
important role (He et al. 2016).

Since it was demonstrated that Cr(VI) is adsorbed effectively to iron oxides, it is
obvious that it will be retained in a similar way also onto iron oxide layers existent
at the surface of Fe’. For example, Ai et al. (2008) showed that Cr(VI) is first
adsorbed on the surface of Fe/Fe,O3 core-shell nanowires and only thereafter
partially reduced to Cr(IIl). The adsorption-reduction mechanism was considered
the dominant mechanism of Cr(VI) removal with nano-Fe® particles or wires;
having a core-shell structure, Fe® nanomaterials exhibit characteristics of both
adsorbent (due to the iron (oxy)hydroxides layers) and reductant (due to the
metallic iron core) (Ai et al. 2008; Li et al. 2008). Similarly, Qiu et al. (2000)
also suggested that chromate must first be adsorbed onto the Fe® surface, in order to
be reduced to Cr(Ill). Fu et al. (2015a) proposed a two-step Cr(VI) removal
mechanism, including both the physical adsorption of Cr(VI) on the surface or
inner layers of the sepiolite-supported nano-Fe particles and the subsequent reduc-
tion of Cr(VI) to Cr(Ill) by Fe’. The significant enhancement of Cr(VI) removal
with Fe in the presence of natural aquifer materials (NAM) was ascribed to
Cr(VI) adsorption on oxyhydroxide layers, favored by the pH buffering capacity
of NAM (Powell et al. 1995).

Analysis of exhausted Fe® surface conducted by Lai and Lo (2008) after Cr(-
VI) reduction experiments revealed the presence of a mixed oxide: Cr,O3-Cr,07;
the Cr(IIT)-O-Cr(VI) bonds were presumably the result of Cr,0,%~ electrostatic
attraction by the positive charges of the polymeric Cr(III) hydroxides (Lai and Lo
2008). In a very recent study, Sheng et al. (2016) suggested that Cr(VI) was mainly
adsorbed on nano-Fe at the initial stage and then rapidly and almost completely
reduced to Cr(III) with reaction time proceeding. Nevertheless, there are also studies
which suggest that adsorption of Cr(VI) at the surface of secondary mineral
passive layers may occur only at high concentrations of Cr(VI) or at low
concentrations of Fe’ (Li et al. 2008). A similar observation was made by
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Isaacs et al. (2002), who indicated that chromate was only weakly adsorbed onto
passive films, being incorporated into the secondary mineral layer only after Fe®
exposure to a saturated chromate solution for extended periods. Moreover, under
alkaline pH conditions, the possibility of CrO4*~ removal by adsorption onto the
metallic iron oxides was ruled out (Cantrell et al. 1995).

Not only Cr(VI) but also the resulted Cr(III) may be adsorbed at the surface of
Fe’; Blowes et al. (1997) were the first who suggested the possibility that Cr(III)
could be removed also by adsorption onto the goethite formed at the surface of
metallic iron. Astrup et al. (2000) reported that chromium was present at the
surface of reacted Fe” only as Cr(III), adsorbed, and coprecipitated with Fe-(oxy)
hydroxides. Qiu et al. (2000) also noticed that reduced Cr(IIl) was partially
adsorbed on the Fe® surface.

Finally, another pathway that was suggested for the removal of Cr(VI) in Fe’/
H,O systems is the sequestration within the matrix of mineral phases which
precipitate out of solution. In other words, not only Cr(II) but also Cr(VI) may
be entrapped in the structure of growing iron hydroxides, and, there should be no
reasons why reduction should precede coprecipitation as a rule (Noubactep 2007):

Cr(VI) + nFe(OH), ) — Cr(VI) — [Fe(OH), | (36)

n(s)

Cr(I1I) 4 nFe(OH), ) — Cr(IlI) — [Fe(OH), ] (37)

n(s)

This Cr(VI) removal pathway was confirmed by Gheju and Balcu (2011) who
noticed that, even though Cr(VI) is highly soluble, it was partially removed from
the clarifier influent by coprecipitation with Cr(III) and Fe(III). In a study carried
out by Yoon et al. (2011) over the pH range of 5-7.5, it was reported that removal
rates were faster under oxic conditions than under anoxic conditions; starting from
this observation, it was suggested that Cr(VI) was reduced to Cr(Il) either directly
by Fe® or indirectly by dissolved Fe(IT) (Yoon et al. 2011). However, under oxic and
circumneutral conditions, Fe(Il) is rapidly oxidized to Fe(Ill), which decreases the
probability of Cr(VI) reduction by Fe(Il). Therefore, in my opinion, the faster
removal efficiencies observed under oxic conditions were actually the result of
Cr(VI) sequestration within the matrix of the more voluminous Fe(IIl) precipitates
formed in the presence of O,.

Summarizing, it can be concluded that mechanism of Cr(VI) removal with Fel is
not just simple reductive precipitation; actually, it is the result of a complex
interplay of processes such as adsorption, reduction, and (co)precipitation, and it
is yet to be discussed which pathway is likely to be dominant. This is in accord with
recent studies suggesting that, in Fe’/H,O systems, Fe’ should be regarded as
generator of indirect reducing agents (Fe(II) and H/H,) and that contaminants are
removed mainly by adsorption, coprecipitation, and size-exclusion processes, while
contaminant reduction, when possible, mainly results from indirect reducing agents
(Noubactep 2009a; Crane and Noubactep 2012; Gatcha-Bandjun et al. 2014).
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Kinetics of Hexavalent Chromium Removal

In the first kinetic study on Cr(VI) reduction with Fe® it was noticed that Cr(VI)
removal was dependent on Cr(VI) concentration, H* concentration and iron surface
area (Gould 1982). Cr(VI) reduction with Fe was found to be half-order with
respect to both Cr(VI) and HT, first order with respect to Fe® surface area, and the
overall reaction kinetics was represented as follows (Gould 1982):

dCer(vr)
dr

= —k- C%rS(VI) ) C?ﬁ A (38)

where k (L-cm~2-min ') is the rate constant, A is the surface area of iron (cm>L ™),
and Cc¢vry and Cyy are the concentrations of Cr(VI) and H™, respectively (mol-L*I).

The work of Gould (1982) was followed by a plethora of studies investigating
the kinetics of Cr(VI) reduction with Fe’. Depending on the experimental condi-
tions, the kinetics of Cr(VI) removal with metallic iron was reported to be zero
order (Bowers et al. 1986; Gheju and Iovi 2006), first order (Cantrell et al. 1995;
Ponder et al. 2000; Kaplan and Gilmore 2004; El-Shazly et al. 2005; Zhang et al.
2008), 2/3 order (Fiuza et al. 2010; Mitra et al. 2011), or second order (Ai et al.
2008). In all these works, the kinetics of Cr(VI) removal with Fe’ was studied by
applying the classical concepts of chemical reactions in a homogeneous media,
while the prevailing mechanism of Cr(VI) removal was considered to be the direct
reduction with Fe®. However, since Cr(VI) removal in FeO/HZO system is a hetero-
geneous process between a liquid phase (Cr(VI) aqueous solution) and a solid phase
(metallic iron/iron oxides), some researchers suggested that a corresponding
approach should be applied in order to describe more correctly the kinetics of
Cr(VI) removal with Fe. For instance, Fiuza et al. (2010) suggested that a shrink-
ing particle-type model is more suitable for the initial steps of the process; accord-
ingly, the kinetics of heterogeneous Cr(VI) removal with Fe® was described by an
equation of the following type (Fiuza et al. 2010):

dC kACT
a7 v

(39)

where C is the concentration of Cr(VI) in the solution, f is the stoichiometric
coefficient, k; is a rate constant, A is the surface area of the iron, « is the chemical
reaction order, and V is the initial volume of solution.

Experiments carried out over the normal pH range agreed with the appropriate-
ness of the chosen model, since the kinetic reaction order (0.6-0.8) agrees with the
proposed theoretical value of 2/3, assumed on the likeness to the shrinking particle
models with spherical symmetry. The average rate constant for the heterogeneous
chemical reaction, as determined from different experiments, was 711.2 mgl/ 3.min~!
(Fiuza et al. 2010). Even though this study considered that kinetic rates should be
proportional to Fe® surface area, no attempt has been made to incorporate the
passivation process in the rate equation. Starting from this observation, a new kinetic
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model was proposed for the removal of Cr(VI) with Fe’, which considered the
combined processes of (1) Cr(VI) reduction via the direct route with Fe’ and
(2) passivation of the active Fe® surface, leading to the formation of a thin oxide
layer, mostly magnetite (Mitra et al. 2011). By applying this new model, the kinetics
of direct Cr(VI) reduction with Fe® iron was found to be 2/3 order with respect to
Cr(VI) concentration; in addition, it was noticed that both the direct reduction
and passivation rate constants depend linearly on the hydrogen ion concentration,
both decreasing with increasing pH. Accordingly, the overall expression for the
rate of uptake of Cr(VI) in the FeO/HZO system was described as follows
(Mitra et al. 2011):
dc

— = = hAOCO + A()C () (40)

where C(¢) is the transient concentration of Cr(VI) in aqueous phase, A(¢) is the
transient active area of Fe(0) left at time ¢, and k is the rate constant; the subscripts
1 and 2 refer to the processes of direct reduction and passivation, respectively.

Parameters Affecting Hexavalent Chromium
Removal with Fe’

pH

One of the most important factors affecting the removal of Cr(VI) with metallic iron
is pH. According to the stoichiometry of Eq. 10, it requires 7 moles of hydrogen ion
for the direct reduction of each mole of Cr(VI) with Fe’; the same amount is
necessary also for the indirect reduction of each mole of Cr(VI) with Fe
(ID) (Eq. 18). Thus, as the Le Chatelier’s principle states, the Cr(VI) reduction
process will be enhanced by the increase of the concentration of hydrogen ions in
solution. This theoretical assumption was confirmed by the results of numerous
studies, conducted under various experimental conditions, which showed that pH
significantly affects the rate of Cr(VI) reduction by Fe’: the amount of reduced
Cr(VI) increases with decreasing pH (Gheju and Iovi 2006; Chen et al. 2007; Qian
et al. 2008; Alidokht et al. 2011; Yoon et al. 2011; Chakrabarti et al. 2014). The
favorable effect of decreasing pH can be also ascribed to sorption of negatively
charged Cr(VI) oxyanions onto Fe” surface and to oxidative dissolution of Fe” and
release of indirect reductants (Fe”, H/H,), both processes being favored at low
pH. Nevertheless, in a recent study it was shown that, under alkaline conditions
(pH 7-12), the rate of Cr(VI) removal is independent of pH, which suggests that the
reaction mechanism remains the same over this pH range (Fuller et al. 2013).
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Cr(VI) Initial Concentration

Chromate reduction experiments with metallic iron in batch or column reactors,
carried out over a wide range of Cr(VI) concentrations, revealed that, generally,
observed reaction rates decreased with increasing Cr(VI) concentration, probably
due to lower rates of Fe” corrosion and increasing surface passivation at higher
Cr(VI) concentrations (Gheju and Iovi 2006; Yang 2006; Lai and Lo 2008; Li et al.
2008; Alidokht et al. 2011; Gheju and Balcu 2011; Wang et al. 2012); however,
there are also studies which suggested that this rate dependence could be a conse-
quence of the oxidation kinetics of Fe” and not a specific effect of the hexavalent
chromium being reduced (Ponder et al. 2000).

Size of Fe” Particles

The size of Fe’ particles is another factor which significantly influences the
efficiency of Cr(VI) removal with metallic iron. Several experimental studies
indicated a better removal of Cr(VI) from solution for the fine-grained Fe’ than
for coarse-grained Fe’, suggesting that the reaction is surface area dependent: the
smaller the particle size, the larger the specific surface area, and the greater the Fe’
reactivity toward pollutants (Blowes et al. 1997; Li et al. 2008; Gheju and Balcu
2010; Noubactep and Care 2010a).

Copresence of Inorganic and/or Organic Species

Inorganic and organic substances are ubiquitously present in aquatic environments,
and, therefore, the effect of their copresence was also a well-studied topic; however,
there is still some controversy on how such species can affect Cr(VI) reduction,
attributable to a lack of consistency of the experimental conditions. For instance,
while some studies concluded that copresence of Mg or Ca?* caused a decrease
in the Cr(VI) removal capacity of Fe’ (Lai and Lo 2008; Liu and Lo 2011), other
works showed that addition of Ca®>" or Mg " slightly enhanced Cr(VI) reduction at
pH 9.5, whereas it had little effect at pH 6 (Liu et al. 2008b). According to Lo et al.
(2006), CaCO5 has no apparent effect on the reactivity of Fe”; in contrast, Yang
(2006) concluded that addition of dissolved CaCOj; significantly enhanced reduc-
tion of Cr(VI). The removal of Cr(VI) was slightly impacted in the presence of Ni
and slightly accelerated in the presence of Zn alone or in combination with Ni
(Dries et al. 2005). Investigating the effect of sand on the reduction of Cr(VI) by Fe®,
Kjeldsen and Locht (2002) reported a slightly higher reduction capacity for the
100% Fe® content than for the mixture of sand (25-50%) with Fe’. On the other
hand, studies carried out by Song et al. (2005) and Oh et al. (2007b) revealed an
enhancement of Cr(VI) reduction when sand was added to the Feo/HzO system.
Because of the volumetric expansion of the iron corrosion products, the porosity of
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the Fe®-based PRBs decreases in time, leading to a short service life of the system.
Even though mixing Fe® and sand cannot improve Fe® efficiency in terms of
reactivity, it could be a useful tool to delay porosity loss. It was suggested that
50% (vol) should be regarded as the highest proportion of metallic iron in the
reactive mixture, in order to obtain a long-term efficiency of Fe” beds (Noubactep
and Care 2010b). Therefore, mixing Fe and inert additives is a prerequisite for PRB
or household Fe’ filters sustainability (Noubactep and Care 2010b). The effect
induced by inorganic constituents may be also influenced by the nature of surface
coating applied to nano-Fe’ particles. For instance, it was reported that the presence
of Ca®" enhanced the removal of Cr(VI) with polyacrylate/nano-Fe’, even though
no obvious influence on the colloidal stability was observed; this effect was attrib-
uted to reduced electrostatic repulsion between Fe” and the negatively charged
Cr(VD) ions (Dong et al. 2016d). In contrast, the presence of Ca’" decreased the
Cr(VI) removal by starch/nano-Fe’, attributable to a higher degree of particle
settling caused by the presence of Ca®" (Dong et al. 2016d).

Similar contradictory results were reported also with regard to the influence of
organic compounds. Several studies performed in the presence of humic acids
(HA) concluded that such compounds exhibited an insignificant inhibitory effect
on metallic iron reactivity (Liu et al. 2008b; Zhang et al. 2008); on the other hand, a
marked enhancement of Cr(VI) removal with Fe’ was observed by Liu and Lo
(2011) when HA were introduced into the reaction system; this phenomenon was
ascribed to HA capacity of suppressing the precipitation of iron corrosion products
at the surface of Fe’, by forming soluble and colloidal Fe-humate complexes (Liu
and Lo 2011). Dong et al. (2016d) reported that removal of Cr(VI) with both
polyacrylate- and starch-stabilized nano-Fe® decreased with increasing concentra-
tion of HA; this was associated with occupation of the reactive sites (which
provided an electrosteric repulsion effect in the case of polyacrylate), and with
increased settling of the nano-Fe’ particles (in the case of starch) (Dong et al.
2016d). By studying the comparative effect of HA and fulvic acids (FA), it was
observed a faster Cr(VI) removal in the presence of HA compared to FA (Mak and
Lo 2011). The dual effect of HA on Cr(VI) removal with metallic iron was
attributed by Wang et al. (2011) to their capacity to act both as an adsorbent,
competing with chromate anions for reactive sites on the surface of Fe’ (the
inhibitory effect), and also as electron shuttles, due to quinone moieties which
may promote the electron transfer. On the other hand, it was suggested that no redox
reaction occurred in both FA and HA, and, therefore, removal of Cr(VI) is only the
result of interactions with Fe® (Mak and Lo 2011). Recent studies carried out by
Dong et al. (2016a) indicated that the presence of FA can either enhance or decrease
the colloidal stability and reactivity of nano-Fe’ particles toward Cr(VI), depending
on the nanoparticle characteristics (e.g., pHp,c), geochemical conditions (e.g., pH)
and concentrations of FA. For instance, at low FA concentrations, adsorption of FA
on the nano-Fe” surface enhanced the particle stabilization (i.e., a reduced particle
aggregation), which resulted in more available surface sites and a facilitated Cr(VI)
reduction; instead, when the FA concentrations were too high, the active surface
sites of nano-Fe® were completely saturated, so that Cr(VI) removal decreased even
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though the FA enhanced the dispersion of nano-Fe® particles (Dong et al. 2016a).
Studies performed by Zhang et al. (2008) showed that reduction of Cr(VI) by Fe’
was suppressed in the presence of citrate, while Liu et al. (2009) observed a faster
Cr(VI) reduction by metallic iron in the presence of citrate. Instead, Liu et al.
(2012a) reported that while the long-term performance of Fe® was not effectively
improved in the presence of citric acid, introduction of photoirradiation dramati-
cally increased the reduction rate of Cr(VI) in the presence of citric acid; this
enhancement was attributed to photoreductive dissolution of the oxide layer exis-
tent on Fe® surface (Liu et al. 2012a).

Summarizing, there is a clear need for more rigorous quantification of the
influence of both inorganic and organic substances on Cr(VI) reduction efficiency.

Biogeochemical Interactions

Even though important attention has been given in the last years to the biogeo-
chemical interactions that could influence Fe’ reactivity, the effect of microorgan-
isms copresence is not yet well understood. It seems that indigenous
microorganisms can exert either beneficially or detrimentally effects on Cr
(VI) removal with metallic iron, depending on the local geochemistry conditions.
Anaerobic Cr(VI) bioreduction may be stimulated in the presence of metallic iron,
through the depletion of O, and production of H, during Fe? corrosion (Egs. 13, 14
and 15). However, high Fe concentrations should be avoided, since they could
have an inhibitory effect by increasing the pH beyond the optimum range of the
bacteria (Fernandez et al. 2004). In addition, microorganisms might also potentially
enhance Cr(VI) removal efficiency by mediating mineral dissolution of passive
layers, or by alleviating pore volume reduction caused by the formation and
entrapment of H, gas (Gandhi et al. 2002; Vazquez et al. 2006; Singh et al.
2013). Furthermore, an enhanced microbial activity may also detrimentally affect
the reactivity of metallic iron toward Cr(VI), as a result of reducing PRB perme-
ability and reactivity by mediating formation of mineral precipitate or biomass and
gas accumulation (Scherer et al. 2000; Gandhi et al. 2002).

Dissolved Oxygen

Under environmental relevant conditions, dissolved O, is considered to be the most
corroding factor in Fe"/H,O systems, with a well-known role in acceleration of the
kinetics of Fe® corrosion (Eq. 13) (Bilardi et al. 2013; Domga et al. 2015). For
instance, it was reported that, in oxygenated waters, Fe” can be corroded up to
65 times faster compared to oxygen-free waters (Cohen 1959). Similarly, the
degree of Fe’ corrosion within the PRB clearly decreased in groundwater with
lower oxygen concentrations (3.5-5 mg/L), located at greater depths, compared to
groundwater with higher oxygen concentrations (5—-6 mg/L), situated at lower
depths (Flury et al. 2009). However, under oxic conditions, Fe? surface is generally
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covered by external nonconductive oxide layers, which hinder both transfer of
electron from Fe® surface to dissolved oxygen and diffusion of dissolved oxygen
from solution to the Fe® surface. This will lead to a slow diffusion of dissolved
oxygen through the oxide film coating the Fe” surface (Kaplan and Gilmore 2004).
Therefore, although Fe corrosion by dissolved oxygen is thermodynamically
favored (Crane and Scott 2012), it seems that even under oxic conditions Fel is
mostly oxidized by water (Eq. 14); accordingly, the main process involving
dissolved oxygen that contributes to corrosion of Fe” in aqueous solutions
(Le Chatelier’s principle) is oxidation of Fe(Il) to Fe(IIl) (Stratmann and Muller
1994; Domga et al. 2015):

2Fe*™ 4 1/20, + H,O — 2Fe*™ 4 2HO™ (41)

All these suggest that Fe(Il) species are the major corrosion products under
anoxic conditions, whereas Fe(IIl) species are the more abundant corrosion
products under oxic conditions (Flury et al. 2009; Domga et al. 2015). Even
though both experimental and theoretical studies have indicated the possible
deleterious effects of dissolved oxygen on PRB performance, it seems that,
however, PRB longevity is not well correlated with concentration of O, in
groundwater (Henderson and Demond 2007). In order to explain this apparent
contradiction, it should be reminded that the first mechanism proposed in the early
1990s for the removal of Cr(VI) (the “reductive-precipitation” mechanism) attrib-
uted the efficiency of Fe treatment systems to contaminant chemical transforma-
tions (e.g., direct reductive degradation and precipitation); thus, the only role that
corrosion oxide layers formed at Fe® surface could have is to suppress Fe®
reactivity. However, according to the more recent “adsorption-coprecipitation”
concept, contaminants are quantitatively removed in Fe’/H,O systems mainly by
adsorption, coprecipitation, and size exclusion, while reduction, when possible, is
mainly the result of indirect reducing agents produced by Fe” (Noubactep 2007).
This new concept may therefore explain the observed longevity of PRBs in
groundwater with high levels of dissolved oxygen. Even though it is a very
important parameter in Fe?/H,O systems, to the best of my knowledge, the
influence of dissolved oxygen on the removal of Cr(VI) with Fe” was rigorously
investigated only by the work of Yoon et al. (2011). Batch experiments carried out
in this study indicated that removal rates were faster under oxic conditions than
under anoxic conditions. Furthermore, this study also indicates that the presence
of dissolved oxygen plays an important role not only on the kinetics of Cr(VI)
removal but also in development of various Cr(VI) reduction products; for
instance, chromite (FeCr,0O,4) was the reaction product obtained under oxic con-
ditions, while Cr(IlI)/Fe(Ill) hydroxide/oxyhydroxides were produced under
anoxic conditions (Yoon et al. 2011).
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Progress in Cr(VI) Removal with Fe°
Scrap Iron

Numerous types of Fe’-based materials have been investigated in the last decades
for the removal of Cr(VI) (Gheju 2011). Aware of the importance of metal reuse,
numerous authors have been involved in researches concerning the removal of
Cr(VI) from contaminated water by use of scrap iron. As aforementioned, in one of
the first works in the field of Cr(VI) removal with Fe’, Hoover and Masselli (1941)
suggested that scrap steel can be successfully used for the remediation of aquatic
Cr(VD) pollution. Bowers et al. (1986) evaluated the kinetics of Cr(VI) reduction
with scrap iron fillings, estimating that large-size scrap iron particles are signifi-
cantly more economical than conventional reducing reagents, while creating no
special handling or health hazard in the work environment. The galvanic reduction
of hexavalent chromium with scrap iron in a divided parallel plate cell was
investigated by Abdo and Sedahmed (1998); the advantages of this technique
over direct chemical reduction are that the reduced chromium salt is free of iron
impurities, making possible to recover Cr(IIl) as pure Cr(SOy4); after a
preconcentration step, and that electrical energy is produced from the galvanic
cell as by-product (Abdo and Sedahmed 1998). A fixed bed of scrap bearing iron
spheres, through which the chromium solution passed in recirculating mode, was
used by El-Shazly et al. (2005) to study the removal of Cr(VI) from industrial waste
solutions under different experimental conditions. Junyapoon and Weerapong
(2006) also suggested that, because of their low toxicity and cost, scrap iron filings
seem to be a very good reactive material for the rapid removal of Cr(VI) from
plating wastewater. Several studies were carried out using scrap iron with various
shapes and sizes to investigate the kinetics of Cr(VI) reduction, and the effect of
experimental parameters on Cr(VI) removal efficiency (Gheju and Iovi 2006, Gheju
et al. 2008, Gheju and Balcu 2010, 2011). Oh et al. (2007a) successfully treated
landfill leachate containing both organic contaminants (trichloroethylene,
tetrachloroethylene) and heavy metals (Cr, Mn, Cu, Zn, As, Cd, and Pb) by using
two industrial wastes: steel scrap and converter slag; the reported results suggested
that PRBs comprising these wastes might be effective in treating landfill leachate
containing mixed contaminants (Oh et al. 2007a). Chen et al. (2008) successfully
removed chromate from electroplating wastewater by using cast iron waste in a
plug flow reactor. Zhang et al. (2008) studied the effect of some organic and
inorganic anions on Cr(VI) removal with waste Fe chips. Batch and column
experiments of Cr(VI) reduction to Cr(Ill) with metallic iron collected from a
mechanical workshop were conducted by Prasad et al. (2011) to explore the effect
of process conditions on removal efficiency. Wang et al. (2012) studied the effects
of pH, empty bed contact time, and initial Cr(VI) concentration on Cr(VI) reduction
with scrap iron in a fixed bed reactor.
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Commercial Metallic Iron

During the 1990s, there has been an intense activity directed at the development and
implementation of PRB remediation technology. Due to its important advantages
(cost-effectiveness, low maintenance, ability to treat multiple contaminants, low
impact on groundwater flow, availability of aboveground land for other activities,
possible application in urban areas) over the conventional pump and treat systems,
the PRB technology was considered, at that time, a very promising method in the
field of groundwater remediation. The most frequently used reactive medium
employed in laboratory studies, small-scale field PRB tests and full-scale PRBs
was metallic iron, mainly under the form of commercially Fe®-based alloy particles.
Such iron particles, commonly referred to as “granular iron,” “iron filings,” “iron
chips,” or “iron shavings,” were produced all over the world (Ada Iron & Metal,
Master Builder, Peerless Metal, Powders & Abrasive, Connelly GPM, Gotthart
Maier, Aesar, SHOWA Chemical, US Metal, Cercona, Sigma, Shinyo Pure Chem-
ical etc.), with various dimensions (0.1-20 mm) and surface areas (0.05-2.8 mz/g)
(Gheju 2011). In addition, few studies reported also the use of commercial “steel
wool” (Ozer et al. 1997; Gromboni et al. 2010; Chakrabarti et al. 2014).

Nano-sized Metallic Iron

In spite of the PRB technology advantages, its practical application has also several
drawbacks, the most important being the decrease in time of Cr(VI) removal
efficiency due to deposition of secondary mineral layers at the surface of Fe’
(Scherer et al. 2000; Liu et al. 2012a). Therefore, substantial work on enhancing
the reactivity of metallic iron particles has been reported in the last years. One of the
most studied approaches to optimize Fe’ reactivity toward a wide range of con-
taminants, including Cr(VI), consisted in increasing the surface area of metallic
iron by working with nano-sized particles instead of milli- or micro-Fe” (Noubactep
et al. 2012). Assuming Fe” particles as being spherical, there is an inverse relation-
ship between the diameter and specific surface area (Sun et al. 2006):

6

A=— 42
ssA = (42)

where SSA (m2/kg) is the specific surface area of Fe particles, d (m) is the diameter
of Fe” particles, and p (kg/m®) is the density of Fe” particles.

From Eq. 42 it clearly results that the smaller the particle size, the higher the
surface area to volume ratio, leading to a higher surface reactivity of the Fe’ particle
(Yirsaw et al. 2016; Sheng et al. 2016). However, it is very important to point out
that, if quantum size effects (prevalent only for Fe’ < 10 nm) are neglected, the
reactivity of metallic iron remains unchanged with decreasing particle size; in fact,
the higher removal efficiency of nano-Fe’ (up to 1000 times greater compared with
micro- or milli-Fe®) is mainly the result of a greater density of reactive sites on the
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particle surface (Karn et al. 2009; Noubactep et al. 2012; Yirsaw et al. 2016).
The better reactivity is not the sole advantage of nano-Fe” technology. Due to their
very small particle size (1-100 nm), they can be suspended in slurry and injected
easily into soil pores toward shallow or deep aquifers, a property that is particularly
beneficial when contamination lies underneath a building (Zhang 2003; Li et al.
2006; Karn et al. 2009). Therefore, because the nano-Fe technology presents such
new opportunities for the remediation of environmental pollution, it may serve as
an alternative to the (already now) conventional Fe’ PRB technology (Li et al.
2006). Nevertheless, even if it is well recognized that nano-Fe’ particles are
powerful reagents for a wide variety of environmental contaminants, there are
some important drawbacks, which question the potential of using nanoscale iron
particles for in situ remediation. First, they have a strong tendency to aggregate and
adhere to the surfaces of suspended solids or sediments, which make them rapidly
inert and immobile (Zhang 2003; Li et al. 2006; Karn et al. 2009; Chekli et al.
2016). Second, the high reactivity of nano-Fe” particles will make them react not
only with the target pollutants but also with other nontarget substances, which will
eventually lead to a limited lifetime of the nanoparticles in the environment and a
lower efficiency of the nanotechnology (Comba et al. 2011; Chekli et al. 2016).
Third, considering the subsurface injection procedure of iron nanoparticles, it has
been suggested that the mobility of the particles is likely to be significantly retarded
in aquifer by voluminous expansion due to particle corrosion, leading to pore
clogging; moreover, the effect of pore clogging can make the contaminant plume
to be inadvertently directed to a different location instead of being treated (Crane
and Scott 2012; Noubactep et al. 2012). Due to practically unavoidable phenomena
during the synthesis process, nano-Fe® particles develop a core-shell morphology,
with a Fe” core surrounded by an outer layer of iron corrosion products (iron (oxy)
hydroxides) of at least 3 nm. Once introduced into the environment, the nature of
outer oxide layer changes relatively quickly (Chekli et al. 2016; Lefevre et al. 2016;
Liu et al. 2016; Yirsaw et al. 2016). After immersion in anoxic water for 72 h, the
corrosion layer turns into a complex mixture comprising wustite, goethite, and/or
akaganeite; instead, in oxic water, the entire core-shell structure transforms first
into circular spheres composed of magnetite/maghemite, when aging time is up to
24 h, and then subsequently evolves into a flaky and/or acicular-shaped structure of
lepidocrocite, after 48 h (Liu et al. 2016). Therefore, it can be concluded that
reactions at the nano-Fe’/H,O interface will influence not only the nature of the
outer iron oxide layer but also the core-shell structure (Liu et al. 2016).

In the recent years, there has been important interest in investigating possibilities
to prevent attraction and agglomeration of iron nanoparticles. The most studied
possibility consisted in applying a coating to change the nanoparticle surface
properties. It has been proved in several studies that both natural (carboxymethyl
cellulose, chitosan, xanthan gum, starch, biochar, sepiolite) (Qian et al. 2008;
Comba and Sethi 2009; Geng et al. 2009; Lin et al. 2010; Alidokht et al. 2011;
Esfahani et al. 2015; Fu et al. 2015a; Su et al. 2016) and synthetic (polyacrylate,
hexadecyltrimethylammonium, polystyrene sulfonate, polyaspartate, SiO,)
(Li et al. 2007, 2012; Phenrat et al. 2008; Lin et al. 2010) stabilizing agents can
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be successfully employed to avoid sedimentation and aggregation of the iron
nanoparticles, leading to higher Cr(VI) removal efficiencies and better transport
through soils. The concentration of surface coating can influence both the colloidal
stability and reactivity of nano-Fe’ particles. Even though, generally, the colloidal
stability increases with increasing concentration of surface coating, it seems that,
however, there is an optimum concentration of surface coating for the best Cr
(VD) removal (Dong et al. 2016d). Working with polyacrylate- and starch-
stabilized nano-Fe®, Dong et al. (2016d) noticed that, while below the optimum
concentration of surface coating, increasing concentration of surface coating led to
higher reactivity of nano-Fe” toward Cr(VI), above the optimum concentration, the
efficiency of Cr(VI) removal decreased with increasing concentration of surface
coating.

Studies of Cr(VI) removal carried out using stabilized nano-Fe? have shown that,
due to its properties, the stabilizing layer has not only the advantage of diminishing
the effect of nano-Fe” particles aggregation, but, as well, it can also suppress the
formation of the insoluble (oxi)hydroxides (Xu and Zhao 2007). In addition, the
surface coating may not only slow down the oxidation rate of the nano-Fe® particles
but also the transformation of iron oxides. For instance, the structural evolution in
static water showed that, for the bare nano—FeO, magnetite and/or maghemite is the
dominant corrosion product after 90 days of aging, while for the carboxymethyl
cellulose/nano-Fe’, acicular-shaped structures of crystalline lepidocrocite were the
primary corrosion end products after aging; moreover, the amount of lepidocrocite
present in the corrosion products of CMC/nano-Fe’ increased with increasing
loading of CMC, which reveals that the coating influenced the transformation of
iron oxides (Dong et al. 2016b).

A very recent new strategy for producing stable Fe® nanoparticles is the use of
plant extracts as “green” reducing agents. These organic compounds may act both
as reducing agents in the synthesis of nanoparticles and as stabilizing agents for the
produced nanoparticles; in addition, the obtained nanoparticles are also free of
contamination and have a well-defined size and morphology (Madhavi et al. 2013;
Mystrioti et al. 2015, 2016; Poguberovici et al. 2016).

Even though Fe’ nanomaterials hold great promise in a range of contaminant
removal, the toxicity, biocompatibility, bioaccumulation, translocation potential,
and persistence of the Fe’ nanoparticles have to be carefully evaluated before this
technology is extensively used (Karn et al. 2009; Yirsaw et al. 2015). Since most
contaminated sites rely also on bioremediation as a concurrent or terminal process
to meet remediation goals, a special attention should be given on understanding
how iron nanoparticles will affect site geochemistry, microbial abundance/diver-
sity, and their interrelationships (Kirschling et al. 2010). Even though in the last
decade an increasing number of studies have investigated the environmental impli-
cations of iron-based nanomaterials, the conclusions are still inconsistent (Lefevre
et al. 2016; Simeonidis et al. 2016). According to some authors, nano-Fe" exerts no
toxic effects on aquatic bacterial community. For instance, the results of a 36-day
study indicate that addition of 100 mg/L iron nanoparticles to aerobic river water
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was not toxic to the indigenous river water bacterial community (Barnes et al.
2010). Similarly, Kirschling et al. (2010) also reported that nano-Fe® particles had
no deleterious effect on total bacterial abundance in the aquifer microcosms;
moreover, this study further suggested that biodegradable polymer (polyaspartate)
coating on nanoparticles, used for successful injection, can stimulate microbial
growth (Kirschling et al. 2010). In another study, Qiu et al. (2012) indicated that
both nano-Fe’ and its reaction products that remained in the water body are
nontoxic to environmental medium. On the contrary, other researchers reported
several toxic effects of iron nanoparticles. Lee et al. (2008) found a strong bacte-
ricidal effect of nano-Fe particles in aquatic systems, which conducted to a rapid
deactivation of Escherichia coli. Diao and Yao (2009) also observed a very fast and
complete inactivation of Bacillus subtilis and Pseudomonas fluorescens. El-Temsah
and Joner (2012) concluded that nano-Fe® particles are likely to give adverse
toxicological effects not only on microorganism but also on invertebrate organisms,
such as earthworm species like Eisenia fetida and Lumbricus rubellus. These
authors noticed that earthworms exposed to nano-Fe” concentrations greater than
500 mg/kg soil were significantly affected in terms of weight changes and mortal-
ity, while reproduction was affected also at 100 mg nano-Fe’/kg (El Temsah and
Joner 2012). Not only microorganisms but also plants may be affected by the
presence of nano-Fe” particles. Even though nano-Fe® particles had no obvious
inhibitory effects on the germination of rice seeds, however, at higher concentra-
tions (>500 mg/kg), they induced visible iron deficiency chlorosis and significant
concentration-dependent inhibition of seedling growth (Wang et al. 2016b). How-
ever, it seems that adverse effects of nano-Fe® could be reduced after aging that can
be involved in the formation of iron oxide layers (Li et al. 2010; El-Temsah and
Joner 2012). In addition, very recent studies showed that surface coating (e.g., with
CMC) may not only influence the particle stabilization, but also the nano-Fe’
particle cytotoxicity; for instance, while the inactivation of E. coli by bare nano-Fe’
was significant and concentration dependent, an increasing reduction in cytotoxicity
of nano-Fe” with increasing CMC ratio was observed, even though the particles
became more dispersed (Dong et al. 2016¢). In addition to all these results, it is
important to point out that the environmental conditions encountered in situ have
a very important role in how nano-Fe® can affect natural ecosystem functions
(Lefevre et al. 2016).

Bimetallic Iron-Based Materials

Another possibility to achieve higher reactivity of metallic iron toward hexavalent
chromium is by coating another metal onto the surface of metallic iron particle. For
example, bimetallic particles can be prepared by cementation, a process which
involves the electrochemical precipitation of a more noble (more electropositive)
metal ion from solution (e.g., Cu“) by a less noble metal (e.g., Feo), while the less
noble metal is dissolved (Noubactep 2009b, 2010a; Hu et al. 2010):
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Cu™" ag) + Fe'y) = Cu’y + Fe?' g (43)

Bimetallic particles will act as galvanic couples during reaction, being electri-
cally connected in the water, while the potential difference between the two metals
has a catalytic effect on the reduction of the less noble metal (Bigg and Judd 2000).
However, according to Noubactep (2009b), the assumption that bimetallic systems
enhance reductive transformation of contaminants by Fe is incompatible with the
premise that Fe® is the reductant in Fe’-H,O system; based on thermodynamic
considerations, this author further suggests that increased contaminant removal by
bimetallic systems is rather an argument for indirect reduction by Fe(Il) or H/H,
within the oxide film on Fe” and a negation of the well-established concept of direct
reductive transformations as major decontamination process in Fe’/H,O systems
(Noubactep 2009b).

There are numerous studies reporting the removal of Cr(VI) with various types
of bimetallic particles. Hu et al. (2010) observed higher Cr(VI) removal capacity
per unit weight of metallic iron for Fe/Cu bimetallic particles prepared by cemen-
tation; however, it was also suggested that due to the greater oxidation potential of
Cr(VI), the metallic copper could also be oxidized to Cu®*:

3Cu + 2Cr04*>” + 10H — 2Cr(OH); + 3Cu’" 4 2H,0 (44)

Therefore, in order to avoid rapid loss of bimetallic catalytic ability, the copper
layer must be thick enough (Hu et al. 2010). Reduction of Cr(VI) by bimetallic
Fe/Ag nanoparticles (synthesized by reductive deposition of Ag™* on freshly pre-
pared Fe” nanoparticles) was studied as a function of temperature, solution pH,
initial concentration of Cr(VI), and dose of bimetallic reductant (Singh et al. 2011);
the maximum Cr(VI) reduction capacity, predicted by a quadratic mathematical
model under the optimum conditions of temperature (43 °C), Cr(VI) concentration
(65.7 mg/L), initial pH (2), and Fe/Ag particles dose (0.4 g/L), was 55.96 mg/g,
very close to the experimental value of 55.18 mg/g and higher than the experimen-
tally determined un-optimized reduction capacity of 42.39 mg/g (Singh et al. 2011).
Rivero-Huguet and Marshall (2009) prepared bimetallic (Fe/Ag, Fe/Al, Fe/Cu,
Fe/Co, Fe/Mg, Fe/Ni, Fe/Pd, Fe/Zn) and trimetallic particles (Fe/Cu/Zn, Fe/Pd/
Cu, Fe/Pd/Zn) by cementation of one or two noble metals on the surface of metallic
iron; the as-obtained particles were up to 100 times more effective in what concerns
the removal of Cr(VI) (Rivero-Huguet and Marshall 2009). In a recent study, Fe/Al
bimetallic particles were synthesized by depositing the Fe” on the Al° surface
through the reaction of AI° with Fe?" and employed to treat Cr(VI)-polluted
wastewater (Fu et al. 2015b); it was shown that Fe/Al bimetallic particles with
0.75 g Fe/g Al possess more advantages, including (1) high removal efficiency for
Cr(VI) not only in acidic but also in neutral and alkaline conditions (pH 11), (2) no
Fe”"/Fe’" release at pH 3—11 and low (< 0.2 mg/L) A’ release in acidic and
neutral conditions, and (3) at pH 3 Fe/Al bimetallic particles can be used four times
without losing activity (Fu et al. 2015b). Fe-Ni-montmorillonite nanocomposites
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were prepared via two methods: (1) incorporation of preformed Fe-Ni nanoparticles
in the clay matrix, and (2) in situ generation of Fe-Ni nanoparticles in the clay
matrix (Kadu et al. 2011; Kadu and Chikate 2013); it was reported that the in situ-
formed nanocomposites possess superior reduction capacity as compared to both
loaded nanocomposites and Fe-Ni nanoparticles, due to increased number of
available surface Fe” atoms that significantly contributes toward reduction of
adsorbed Cr(VI) on the surface (Kadu et al. 2011; Kadu and Chikate 2013).

The galvanic noble metal-Fe system can be generated not only by plating the
noble metal on the surface of metallic iron, but also by using mixtures of Fe’ and
noble metal particles. This technique was applied by Lugo-Lugo et al. (2010, 2014),
who investigated the removal of Cr(VI) using a bimetallic mixture comprised of
metallic copper and iron plates; batch experiments carried out at pH 2 revealed that
single Fe and Cu systems showed lower efficiency compared with the Fe/Cu
galvanic system (Lugo-Lugo et al. 2010, 2014). The use of a bimetallic system
comprised of Fe® and a less noble metal, Al° (more electronegative), was
also reported (Han et al. 2016). It was shown that a 80 g/40 g mixture of acid-
washed Fe/A1° had a much better Cr(VI) removal efficiency than 120 g Fe® or AI°
alone. Several explanations were given for the observed results, including
(1) because the standard reduction potential of APT/AI° (—1.67 V) is much lower
than of Fe?'/Fe® (—0.44 V), acid-washed AI° can be regarded as a stronger
reductant for Cr(VI) than acid-washed Fe°, (2) due to the same difference in
standard reduction potentials, the generated Fe?" ions can be reduced by Al
leading to formation of Fe” particles on the surface of Al°, and (3) Al° acted as
an electron source which prevented the formation of iron corrosion products on the
Fe" surface, maintaining thus the surface activity of Fe” (Han et al. 2016).

Metallic Iron-Porous Support Composites

Another strategy that has been recently developed to enhance the Fe’ capacity to
remove Cr(VI) consist in supporting nano-Fe’ particles on various adsorbent
materials. Having a rich surface area and a porous structure, adsorbents can provide
stable sites for nanoparticles and prevent their oxidation and agglomeration; in
addition, since nanoparticles are well dispersed and more stable in the interlayer of
porous matrix, they will exhibit an improved reactivity toward Cr(VI) (Lv et al.
2011; Wu et al. 2015). Because they are chemically stable and relatively inexpen-
sive, various minerals were investigated as porous support for nano-Fe’. Shi et al.
(2011) used bentonite-supported nanoscale Fe® for the removal of Cr(VI) from
aqueous solutions; the results indicated that Fe acted as a reductant, while ben-
tonite only played a role as a dispersant and stabilizer (Shi et al. 2011). Silica-based
molecular sieves with uniform pore sizes used for supporting nano-Fe® demon-
strated a rapid removal of Cr(VI), in comparison to that of unsupported nano-Fe®
(Petala et al. 2013); furthermore, it was shown that impregnation of metallic iron
within the mesoporous silica matrix also prevented agglomeration of the resulted
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composites, increasing thus accessibility of Cr(VI) to the surface of Fe’ (Petala
et al. 2013). The enhancement of Fe’ nanoparticles efficiency was investigated also
via their intercalation within the structure of zeolites. Experiments carried out using
montmorillonite and HDTMA-modified montmorillonite (Wu et al. 2012, 2015)
showed that montmorillonite-Fe composites are more stable, more reactive, and
less pH dependent than bare nano-Fe’. In addition, it was also observed that
HDTMA -montmorillonite-Fe® composites reduced the greatest amount of Cr(VI),
whereas the unsupported Fe’ nanoparticles removed the least amount (Wu et al.
2012). Similar results were observed with clinoptilolite-supported nano-Fe” com-
posites, which had better removal ability for Cr(VI) than the sum of pure zeolite and
nano-Fe’ (Kong et al. 2016). Enhanced removal of Cr(VI) from contaminated water
was reported by Li et al. (2007) who used zeolite/Fe” pellets prepared by mixing Fe®
and clinoptilolite-zeolite, untreated or treated with the cationic surfactant HDTMA;
the improved removal efficiency was ascribed to both sorption and reduction of
chromate during the remediation process (Li et al. 1999, 2007). Pumice, another
commonly available rock with a stable structure and low cost, can also be used as a
porous material to support nano-Fe’. Experiments carried out by Liu et al. (2015)
showed that pumice was effective in enhancing the dispersibility of nano-Fe®
particles, while the resulted composite exerts a good capacity to remediate waste-
water containing heavy metals, including Cr(VI) and Hg(Il) (Liu et al. 2015).
Layered double hydroxides (LDH) were also tested as a support of nano-Fe’, to
synthesize multifunctional composites for the removal of Cr(VI) (Sheng et al.
2016); treatability experiments revealed an improved efficiency of the
LDH/nano-Fe® composites for Cr(VI) removal in comparison with bare nano-Fe?,
due to a decreased agglomeration of nano-Fe’, good accessibility of Cr(VI) to iron
particles, and a synergistic effect between reduction by nano-Fe” and adsorption by
LDH (Sheng et al. 2016). Finally, porous Fe’-supported composite obtained by
immobilization of the nano-Fe’ particles on the surface of sepiolite was also
suggested as potential advantageous candidate material for the removal of Cr(VI),
in terms of high efficiency, stability, and reactivity (Esfahani et al. 2015; Fu et al.
2015a).

Another way to prepare porous Fe” composites could be the supporting of the
nano-Fe’ particles on porous carbon-based materials, such as activated carbon,
nanotubes, or graphene. For instance, nanoscale Fe®-loaded activated carbons were
proved to be highly reactive toward Cr(VI), which resulted in a more rapid and stable
reaction with Cr(VI) compared to pure nanoscale Fe? (Wu et al. 2013). Nanoscale Fe
iron multiwalled carbon nanotube composites were used by Lv et al. (2011) to
remove Cr(VI) from wastewater; the Fe’-nanotube composites exhibited 36% higher
efficiency on Cr(VI) removal, compared to bare Fe® or Fe’-activated carbon com-
posites (Lv et al. 2011). Magnetic Fe’-graphene nanocomposites synthesized by a
facile thermodecomposition demonstrate an extremely rapid and efficient Cr
(VI) removal from the polluted water, especially in solutions with low pH (Zhu
et al. 2012). Fe” nanoparticles decorated on graphene were synthesized via chemical
route by Jabeen et al. (2011) and investigated for Cr(VI) removal; it was shown
that Fe®-decorated graphene sheets have enhanced magnetic property, surface area
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and Cr(VI) adsorption capacity compared to bare nano-Fe particles (Jabeen et al.
2011). Porous carbon-encapsulated nano-Fe® composites prepared through
carbothermal reduction of Fe(IlI) impregnated on a porous carbon carrier were also
tested for their capacity to remove Cr(VI) (Hoch et al. 2008; Zhuang et al. 2014; Dai
et al. 2016). The as-prepared C-Fe” composites are in a size range that can provide
both rapid remediation of Cr(VI) and good transport through water-saturated porous
media (Hoch et al. 2008). The high ability of the composites to completely remove
Cr(VI) was ascribed to a synergistic effect of the high reactivity of nano-Fe® and high
efficiency of the mass transfer of pollutant through the porous structure of the carbon
carrier; in addition these composites also exhibited other advantages including
(1) enhanced stability of the nano-Fe", (2) strong magnetic property, and (3) regener-
ation ability (Dai et al. 2016; Zhuang et al. 2014).

Supporting nano-Fe particles on natural or synthetic polymers was also tested in
several studies. Lopez-Tellez et al. (2011) used a cheap, biodegradable and readily
available biosorbent, orange peel pith, as support for iron and iron oxide
nanoparticles; the Cr(VI) removal capacity of the biocomposite was significantly
higher than that of the untreated biomass, which was attributed to the coupled
reducing capability of iron nanoparticles with the adsorption capacity of cellulose
(Lopez-Tellez et al. 2011). Composites comprised of Fe’ nanoparticles supported on
polyaniline nanofibers were synthesized using a facile polymerization method and
successfully applied for the removal of Cr(VI) from polluted solutions with a wide
pH range (Gu et al. 2012; Bhaumik et al. 2014). The composites demonstrated a
significantly higher performance for the removal of Cr(VI) than polyaniline
nanofibers, due to an adsorption-coupled reduction mechanism (Bhaumik et al.
2014). Fe’ nanoparticles immobilized on epichlorohydrin/chitosan beads with high
mechanical and thermal stability were successfully used for reduction of Cr(VI) from
wastewater (Liu et al. 2012b); since high removal efficiency (76.6%) was obtained
also for the first cycle after regeneration, it was concluded that such composites are
regenerable (Liu et al. 2012b). Chitosan-stabilized Fe” particles attached onto bam-
boo biochar exhibited enhanced removal of Cr(VI) (Zhou et al. 2014). Agarose-FeO
spherical hydrogels with an average diameter of 5 mm, synthesized via green
immobilization of nano-Fe° particles inside hollow agarose capsules, successfully
removed a mixture of contaminants comprised of Cr(VI) and trichloroethylene (Luo
et al. 2016); since only a small amount of Fe (0.22%) was detected on the surface,
while the major part was immobilized inside the hollow agarose capsules, oxidation
of nano-Fe’ particles due to exposure to air can be avoided. Furthermore, it was
suggested that macroporosity of agarose capsules ensures better contact between
encapsulated nano-Fe? particles and contaminants, due to superior diffusion (Luo
et al. 2016). In another very recent study, a synthetic cationic resin, Dowex SO0WX2,
was used as porous support of the nano-Fe® particles (Toli et al. 2016); the polymeric
composite was then applied for the treatment of Cr(VI) contaminated waters, with
satisfactory reaction rate and high degree of iron utilization (0.8 mol Cr(VI)/mol Feo);
additionally, it was estimated that the composite resin can be reused many times,
since it maintained a good efficiency (87.3%) for Cr(VI) reduction even after three
cycles of regeneration (Toli et al. 2016).



236 M. Gheju

Heterogeneous Fenton-Like Systems

The Fenton reaction is an advanced oxidation processes with great potential for the
treatment of organic pollutants, which requires H,O, and Fe”" as starting reactants
for generation of the highly reactive hydroxyl radicals. However, there are several
shortcomings (e.g., low working pH, formation of large amounts of iron sludge)
which limit the practical applicability of the homogeneous Fenton process (Wang
et al. 2016a). Since Fe? is a well-known precursor of Fe(Il) in FeO-Hzo systems,
replacing dissolved Fe(I) with solid Fe” was suggested in order to overcome some
of these drawbacks (Rusevova et al. 2012). Another important advantage of such
heterogeneous Fenton-like processes is the treatment of wastewaters containing
both heavy metals and bio-refractory organic pollutants (Yin et al. 2014). For
instance, the removal of coexisting Cr(VI) and 4-chlorophenol (4-CP) from aque-
ous solutions was recently studied in a system comprising two stages (Yin et al.
2014). The first stage was initiated by addition of Fe’, resulting in complete
removal of Cr(VI) and partial removal of 4-CP; this step occurred in the first
10 min of the process. The second stage was started by addition of H,O, and
occurred 20 min after Fe® addition; this step was primarily a Fenton degradation of
4-CP. The sequential addition of reagents was found to be preferable to the
simultaneous addition system, which apparently had a slower reaction rate
(Yin et al. 2014).

Increasing Metallic Iron Reactivity Prior to/During Its Use

During the manufacturing of the commercially metallic iron particles, they are
usually covered with different kinds of passive oxide layers, due to the high
temperatures involved in the manufacturing processes (Ritter et al. 2002). Since
most studies considered the oxide layers as impeding the Cr(VI) reduction, remov-
ing the oxide layers, prior of the metallic particle use, was considered as a possible
solution for the enhancement of metallic iron reactivity. Mechanical polishing,
electropolishing, chemical polishing (acid, alkaline, organic), and sonication were
among the most used treatment methods proposed to remove the passive layers; all
these methods usually gave a more or less important increase of Fe’ particles’
reactivity (McCafferty et al. 1988; Fernandez-Sanchez et al. 2004; Junyapoon and
Weerapong 2006; Qian et al. 2008; Zhang et al. 2008; Rivero-Huguet and Marshall
2009; Fiuza et al. 2010; Lugo-Lugo et al. 2010; Mitra et al. 2011; Lu et al. 2012;
Fu et al. 2015¢; Han et al. 2016). However, an opposite effect was also reported
after acid washing and sonication of metallic iron, ascribed to a more severe
mineral precipitation on the treated Fe® surface (Lai and Lo 2008). Unfortunately,
all these treatment methods have important drawbacks, including technical incon-
veniences, cost increases, and, most importantly, the rapid regeneration of a new
oxide layer on the surface of Fe’ particles (Noubactep 2015); hence, application of
such methods at large scale is questionable. According to Liu et al. (2008a),
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precluding the formation of surface oxides during synthesis and storage of metallic
iron particles could be a more advantageous option. This goal was achieved by
electrodepositing a Fe® film on titanium substrate, followed by a rapid
posttreatment of the as-synthesized particles to prevent the occurrence of surface
oxides during storage or utilization (Liu et al. 2008a). In a subsequent study, the
morphology of the electrodeposited film was adjusted by adding organic com-
pounds into the electrolyte; this allowed the electrodeposited iron film to receive
a nano-sized structure, which resulted in significantly higher efficiency of Cr
(VI) reduction at neutral pH (Liu et al. 2009). Fe’-magnetite mixtures prepared
by light mechanochemical mixing of fine magnetites with 5% micro-sized Fe
(0) exerted a considerably enhanced reductive reactivity toward Cr(VI) over the
pH range of 4-8, as compared to either one of the two solids alone; the explanation
seems to be a mechanism of Fe(II) replenishment, by which Fe? replenishes the Fe
(I) on the magnetite surface that has been oxidized to Fe(Ill) as a result of Cr
(VI) reduction to Cr(IIl) (Villacis-Garcia et al. 2015). Recent reports have indicated
that efficiency of Cr(VI) removal with nanoscale Fe” was significantly enhanced as
a result of applying high energy electron beam irradiation (HEEBI) to improve the
dispersion of nanoscale particles (Zhang et al. 2013); in addition, the increased
efficiency of HEEBI was found to be stable for at least 2 months and to increase
with temperature while decreasing with pH. This phenomenon was attributed to an
increase in number of active sites on Fe® with increasing the dispersion of nanoscale
particles, induced by charge and thermal effects (Zhang et al. 2013). Similarly,
weak magnetic field (WMF) applied during Cr(VI) removal with Fe” leads to an
increase in removal rates by a factor of 1.12-5.89, due to acceleration of iron
corrosion process (hence, more Fe(Il)) and alleviation of the detrimental effect of
the passive layer (Feng et al. 2015). Remarkably, this effect was significant also at
higher pH and higher initial Cr(VI) concentration, when reduction of Cr(VI) by Fe’
is normally hindered. In spite of its favorable effect, application of WMF had no
influence on the mechanism of Cr(VI) removal by Fe’, which consisted mainly in
the indirect reduction of Cr(VI) to Cr(III) by Fe(II) (Feng et al. 2015). It is apparent
that also visible light has the capability to significantly enhance Cr(VI) removal
with Fe", in comparison with the dark process; this phenomenon is attributable to a
heterogeneous photocatalytic mechanism that takes place in the visible range,
promoted by the layer of iron oxides acting as semiconductors after excitation
with light, overcoming thus the passivation process (Montesinos et al. 2014).
Coupling of the nano-Fe® technology with ultrasound was recently reported to
greatly enhance the rate and efficiency of Cr(VI) removal (Zhou et al. 2015); the
positive effect was attributed to several causes including (1) enhancement of the
dispersion of Fe®, (2) increase of the Fe’ available surface area, (3) activation of Fe’
surface, resulting in new reactive sites, and (4) removal of the corrosion products
from the surface of Fe, which created adequate reactive sites for Cr(VI) removal
(Zhou et al. 2015). Granulation of the nano-Fe” particles was proposed as a solution
to avoid iron passivation and rapid aggregation of the nano-sized particles, in an
attempt to enhance the efficacy of Fe” on remediation of Cr(VI)-containing waste-
water (Shih et al. 2015). While the primary grain size of Fe particles was around
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10 nm, they grow up after granulation with polymeric additive (polyvinyl alcohol-
co-vinyl acetate-co-itaconic acid) to a spherical pellet of around 5 micrometers. The
results of this study show that while the original nano-Fe® lost its ability to remove
Cr(VI) at pH above 2, granulated-Fe” moderately reduced Cr(VI) over the pH range
of 2-6; nevertheless, by evaluating the kinetics Cr(VI) reduction, it was noticed that
reactivity of original nano-Fe® was much higher than of granulated-Fe°, attributable
to a greater number of active sites on the raw nano-Fe particles, which could be
corroded by the medium rapidly (Shih et al. 2015). Polyoxometalates (POM) are
a large class of metal oxygen clusters, with high stability of their oxidation and
reduction states, well known for their ability to catalyze redox reactions by serving
as electron shuttle (Genovese and Lian 2015). Therefore, using POM can be another
way to enhance the removal of Cr(VI) with Fe’. It has been reported that POM does
not catalyze the direct reduction of Cr(VI) with Fe’; instead, the presence of POM
will catalyze the oxidation of Fe® with O, and the generation of H,O, (Eq. 45), by
shuttling electrons between Fe? and O, (Egs. 46 and 47) (Fu et al. 2015c¢):

Fe’ + O, +2H' — Fe’* + H,0, (45)
2POM + Fe’ — 2POM™ + Fe?t (46)
2POM™ + O, + 2H'" — 2POM + H,0, (47)

Because H,0, can reduce Cr(VI) to Cr(III) under acidic conditions (pH 3), it has
been concluded that the enhancement of Cr(VI) removal with Fe® in the copresence
of POM is attributable to generation of increased amounts of H,O,, hence, to
indirect reduction of Cr(VI) with H,O, (Fu et al. 2015¢).

Finally, another approach used to increase the reactivity of Fe" is the addition of
chelating agents during the process of Cr(VI) removal, with the aim to avoid the
formation of passivation layer on the surface of Fe’ or to increase the rate of direct
or indirect Cr(VI) reduction (Fu et al. 2013; Dong et al. 2016e). By studying the
removal of Cr(VI) with nano-Fe° over the pH range of 5.6-7 and aerobic condi-
tions, it was shown that removal efficiency increased with increasing concentration
of copresent ethylenediamine disuccinic acid (EDDS), due to chelation of the
generated Cr(III) and Fe(IIl) and inhibition of their precipitation (Dong et al.
2016e). This phenomenon was not observed anymore under alkaline conditions
(pH 9), when Cr(VI) removal was slightly decreased in the copresence of EDDS; in
this case, the chelating agent facilitates the oxidation of nano-Fe®/Fe(II) by
dissolved oxygen and thus the formation of passivation layer. Instead, in the
absence of dissolved oxygen, EDDS had a similar positive effect on the removal
of Cr(VI) with nano-Fe” also at pH 9, just like at pH 5.6-7 (Dong et al. 2016g).
Similarly, Fu et al. (2013) noticed an important enhancement of simultaneous
removal of Cr(VI) and Acid Red 73 azo-dye with Feo, at pH 3, in the copresence
of 3 mM oxalate or EDTA, with better results for oxalate. In respect to the removal
of Cr(VI), the higher removal efficiency noticed in the copresence of the organic
chelating agents was ascribed to their ability to form Fe(C,0,4) or FeEDTA com-
plexes with ferrous iron, which favors the generation of H,O, and thus the
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subsequent reduction of Cr(VI) by H,O, (which is 3 orders of magnitude faster than
the reaction of H,O, and Fe”); in the same time the direct reduction of Cr(VI) with
Fe’ is also faster when the above complexes are involved (Fu et al. 2013).

Recovery of Exhausted Metallic Iron

In order to achieve an efficient removal of Cr(VI) for a longer period of time, the
metallic iron particles should be reactivated for further reuse, when the removal
efficiency falls below a certain threshold. Liu et al. (2008a) investigated the recovery
of Fe reactivity by cathodic reduction of passive films; the results indicated that
galvanostatic reduction at pH 4.0 was more effective to remove the oxide layers than
both acid immersion at pH 2.5 and cathodic reduction at pH 2.5 (Liu et al. 2008a). An
innovative electrochemical depassivation system was proposed by Lu et al. (2012) to
recover Fe’ reactivity and promote the longevity of PRB. The results of this study
have shown that the longer the electrolysis took, the higher the initial removal rate;
however, the longevity of the reactivated Fe” was influenced not only by the length of
electrochemical depassivation process, but also by the number of recovery cycles,
which also affects Fe’ characteristics and leads to a more rapid loss of reactivity
(Lu et al. 2012). The recycling capability of nano-Fe®, nano-Fe-Ni, and Fe-Ni-
montmorillonite nanocomposites was assessed by treating the spent materials with
0.01 M NaOH and 5% H,0,, followed by washing with acetone; it was reported that,
after this treatment, the reactivated materials have been successfully used for another
2-5 subsequent cycles before being deactivated (Kadu and Chikate 2013). The
partially oxidized Fe’-polyaniline composites resulted after removal of Cr(VI) were
easily regenerated by washing with 1 M p-toluene sulfonic acid or 1 M hydrochloric
acid, and efficiently reused for further Cr(VI) removal (Gu et al. 2012). Acid washing
treatment with a 1 M H,SO, solution restored almost entirely the reactivity of sponge
iron pellets toward Cr(VI) (Zafarani et al. 2014); the slightly decrease of Cr
(VI) removal efficiency after the acidic reactivation was attributed to Fe® surface
decrease and/or to ineffectiveness of the acidic cleaning on removing the whole
produced oxide layers (Zafarani et al. 2014). Exhausted carbon-encapsulated iron
composites were regenerated by washing with a mixture of 0.5 M HCI and citric acid
solution for 1 h (Zhuang et al. 2014); while HCI eluted the adsorbed Cr(III), citric
acid had the role to remove the trace amounts of unreduced Cr(VI), via reduction to
Cr(IlI). The regeneration was very effective, as resulted from three successive
removal cycles which presented only a slightly decline of Cr(VI) removal efficiency
(Zhuang et al. 2014). The successive combination of two geofixation methods,
chemical reduction of Cr(VI) by nano-Fe’ and application of whey as an organic
substrate to promote biotic reduction of Cr(VI), was recently reported to be not only
an efficient remediation approach, but also a method for partially recycling the spent
nano-Fe” (Némecek et al. 2015a). Application of whey facilitated the development of
anaerobic bacterial microflora, which directly contributed to reduction of Cr(VI); in
the same time, the bacterial microflora contributed also indirectly to the reduction of
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Cr(VI) by partially recycling the oxidized nano-Fe’ from Fe(I1I) to the soluble Fe(Il),
which subsequently reduced the Cr(VI) (Némecek et al. 2015a, b). Sharma et al.
(2015) suggested that the exhausted nano-Fe” immobilized on microcrystalline cellu-
lose could be in situ regenerated as a result of the redox process which involves the
simultaneous reduction of Fe(Ill) to Fe® and oxidation of cellulose to cellulose
dialdehyde.

Conclusions

Chromium can exist in the environment in two main oxidation states, Cr(III) and
Cr(VI), which are characterized by different chemical behaviors and toxicities.
While Cr(III) is considered an essential nutrient for the human body, Cr(VI) is toxic
to most living organisms, a known human carcinogen by the inhalation route of
exposure, and a possible human carcinogen by the oral route of exposure. Because
of Cr(VI) significant mobility in the subsurface environment, the potential risk of
groundwater contamination is high. Starting with the early 1990s, metallic iron was
successfully used as a reactive material in numerous laboratory and field tests, to
minimize the subsurface migration of chlorinated-hydrocarbon compounds. This
success has stimulated significant interest in the application of metallic iron tech-
nology to other pollutants that may be present in groundwater, such as hexavalent
chromium. Reducing Cr(VI) to Cr(IIl) with metallic iron was considered a satis-
factory solution in eliminating toxicity of Cr(VI), because a more mobile and more
toxic chromium species is converted to a less mobile and less toxic form. Substan-
tial research work has been reported in the last two decades regarding the mecha-
nism, kinetics, and influence of major process variables on the efficiency of
Cr(VI) removal with metallic iron. In addition, there has been great interest in
searching new methods of enhancing the reactivity of metallic iron toward Cr(VI),
such as using of nano-sized Fe’ particles, using of bimetallic particles, using of
porous composite particles, removing the oxide layers existent at Fe’ surface, or
precluding the formation of such layers during synthesis or storage of metallic iron
particles. But, by far, the most promising method for achieving high Cr(VI) removal
efficiencies seems to be the use of nano-sized Fe particles. However, more
research over the toxicity, persistence, and environmental fate of these particles is
needed before their widespread application. There is no consensus at this time in
what regards the mechanism of Cr(VI) removal with Fe’. The first mechanism
proposed at the beginning of the nineties attributed the efficiency of metallic iron
technology mainly to the direct electron transfer from the Fe’ surface to Cr(VI)
(direct reduction), followed by precipitation as simple or/and mixed Fe(III)-Cr(III)
(oxi)hydroxides. However, recent studies suggested that, in Fe’/H,O systems,
contaminants are mainly removed via adsorption, coprecipitation/entrapment, and
size-exclusion processes. According to this new concept, direct reduction, when
possible, is less important than indirect reduction by Fe” corrosion products (Fe(II),
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H/H,). The present work undoubtedly showed that mechanism of Cr(VI) removal
with Fe” generally involves multiple pathways including adsorption, reduction, and
coprecipitation/entrapment.
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Dual Functional Styrene-Maleic Acid
Copolymer Beads: Toxic Metals Adsorbent
and Hydrogen Storage

R.B. Amal Raj, Renuka R. Gonte, and K. Balasubramanian

Abstract When the concentration of heavy toxic metals exceeds the constraint,
adverse health effects in human as well as in other living organisms materialize.
Even though the entire evading of exposure to such metals is not possible, abstrac-
tion of such metals is effected by either physical or chemical processes such as
adsorption, electrochemical methods, chemical precipitation, ultrafiltration and
coagulation floatation. Precipitation or oxidation-reduction methods which convert
the metal ions to insoluble compounds or extortionate sludges during the metal ion
isolation may lead to a secondary pollution. Of these methods, adsorption is
accepted as one of the most adequate and fiscal methods for the abstraction of
metal ions at low ion concentrations. This chapter spotlights on the cross-linked
styrene-maleic acid copolymeric beads for the adsorption of toxic heftily ponderous
metal ions from aqueous systems and a material for hydrogen storage at room
temperature. The suspension polymerized adsorbents were highly cross-linked to
achieve better mechanical properties, and the porosity is introduced in the copol-
ymer matrix. Discrete metal ions such as Cu(Il), Co(I), Ni(Il), Zn(II) and Au(III)
and dyes such as Congo red (CR) were magnificently adsorbed by the highly cross-
linked styrene-maleic acid copolymeric beads. XRD and SAXS results verified that
these copolymer beads are additionally highly efficacious in in situ reduction of Au
(IIT) ions from dihydrogen monoxide to Au (0) nanogold formation. The obtained
experimental data were interpreted utilizing distinct adsorption isotherms and
kinetic models such as Freundlich isotherm, Langmuir isotherm, Temkin isotherm,
pseudo-first-order kinetic model, pseudo-second-order kinetic model and
intraparticle diffusion models. Langmuir and Freundlich isotherm models were
fitting for the adsorption of metal ions and are followed by pseudo-first-order
kinetics in the initial stages and pseudo-second-order kinetics in the later stage of
adsorption. Adsorption of metal ions was governed by intraparticle diffusion, and
the desorption of metal ions was carried out utilizing dilute HCI. To assess the

R.B. Amal Raj
Centre for Biopolymer Science and Technology, A Unit of CIPET, Cochin 683501, India

R.R. Gonte ¢ K. Balasubramanian ()

Department of Materials Engineering, Defence Institute of Advanced Technology (DU),
Ministry of Defence, Pune 411 025, India

e-mail: meetkbs@ gmail.com

© Springer International Publishing AG 2017 255
N.A. Anjum et al. (eds.), Enhancing Cleanup of Environmental Pollutants,
DOI 10.1007/978-3-319-55423-5_8


mailto:meetkbs@gmail.com

256 R.B. Amal Raj et al.

adsorption of Congo red dye molecules, composites of SMA with sugarcane
molasses and sawdust were additionally synthesized, and the composite exhibits
exceptional adsorption of Congo red dye which was validated utilizing distinct
isotherm and kinetic models. The adsorption of hydrogen by the cross-linked SMA
copolymer beads at room temperature withal was evaluated. The augmented rate of
hydrogen adsorption was prosperously accomplished by the prelude of highly
cross-linked interpenetrating networks inside the microspheres and porosity pre-
lude into the copolymer network. The rate of hydrogen adsorption is virtually
commensurable for the various cross-linked polymers and is independent of their
divinylbenzene content. Even with perpetuated exposure of upto 65 hours, satura-
tion cannot be accomplished; thus the slow micropore opening mechanism being
involved that is more immensely colossal pores are filled first is envisaged.
Enhanced cross-linked SMA beads modified with metal-organic frameworks
(MOF) were synthesized by the slow diffusion of TEA. Maleic acid, which is a
dicarboxylic acid, will influence the morphology of the MOFs composed in the
polymer matrix and thus the hydrogen storage capacity. SMA functionalized with
MOF samples exhibit hydrogen storage capacities where Zn-SMA complexes
exhibit hydrogen storage capacity of 0.57 wt% at 300 K and 0.61bars. The ethanol
adsorption and retention of the modified beads can be scrutinized for a cache of
liquid hydrogen in fuel cells. Advantages in the utilization of these polymer beads
in fuel cell encompass embedded catalyst activity, low cost, efficacious solvent and
simultaneous hydrogen storage and operation at higher temperatures, thus provid-
ing a solution for current fuel cells.

Keywords Metal pollution * Styrene-maleic acid copolymer beads ¢ Adsorbent ¢
Hydrogen torage

Introduction

Recent years have experienced incrementing cognizance for water pollution, and its
far-reaching effects have prompted concerted efforts towards pollution abatement
(Donmez et al. 1999). Rapid industrialization has solemnly contributed to the
relinquishment of toxic heftily ponderous metals in the water streams. Many
industrial wastewaters contain substances that are difficult to abstract via conven-
tional secondary treatment; are toxic or hazardous; are volatile and cannot be
transferred to the atmosphere; have the potential for engendering noxious vapours
or odours, or for imparting colour to the wastewater; and are present in diminutively
minuscule concentrations that make their abstraction via other methods difficult.
Mining, electroplating, metal processing, textile and battery manufacturing indus-
tries are the main sources of heavy metal contamination (Babel and Opiso 2007;
Nwuche and Ugoji 2008). These activities pollute dihydrogen monoxide streams,
especially rivers, and make them lose their potential value and benign use (Celik
and Demirbas 2005; Kadirvelu et al. 2001). Contamination of aqueous
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environments by heftily ponderous metals and dyes is a worldwide environmental
concern due to their toxic effects and accumulation through aliment chain (Kapoor
et al. 1999; Sternberg and Dorn 2002). Amongst these heavy metal ions, the ions of
Cd, Zn, Hg, Pb, Cr, Cu, As, etc., have gained consequentiality due to their highly
toxic nature even at low concentrations. The high concentration of these heavy
metals in the environment can be detrimental to a variety of living species.
Extortionate ingestion of these metal ions by humans can cause accumulative
poisoning, cancer, nervous system damage and ultimately death (Corapcioglu and
Huang 1987; Issabayeva et al. 2007). Abstraction of trace amounts of heavy metal
ions from wastewater and imbibing dihydrogen monoxide is of great paramountcy
on account of their high toxicity (Gundogan et al. 2004; Abdel-Ghani et al. 2009;
Resmi et al. 2010).

Adsorption finds applications in tertiary waste water treatment as a polishing step
before final discharge into nearby. Adsorption is commonly used in the treatment of
industrial wastewaters containing organic compounds not easily biodegraded during
secondary (biological) treatment or toxic (Al-Rekabi et al. 2007). Adsorption using
ion-exchange resins is one of the most popular methods for the removal of heavy
metals from the water and wastewater (Omer et al. 2003; Rengaraj et al. 2004).
Ion-exchange resins have been developed as a major option for treating wastewaters
over the past few decades (Rawat et al.1990; Rengaraj et al. 2007). Porous materials
such as clay (Jaber et al. 2005), activated carbon (Zhu et al. 2009), zeolites
(Wingenfelder et al. 2009) and biomass (Deng and Ting 2005) are usually used as
toxic metal ion adsorbents because of their high surface area, large pore volume and
the presence of exchangeable ions presenting themselves as good candidates for
adsorbents. For better adsorption performance, the pore size of a porous adsorbent
should match the adsorbates atomic/molecular size (Yang 2003).

Hydrogen is considered as a potential alternative for fossil fuel due to its
attractive properties such as nontoxicity, clean combustion and high energy density
(Schlapbach and Zuttel 2001). The chemical energy of hydrogen is approximately
three times larger than the energy density of liquid hydrocarbon (Schlapbach 2002).
Hydrogen storage will be required particularly for vehicular applications, stationary
power generation, hydrogen delivery and refueling infrastructure. However, a
number of significant technological hurdles need to be overcome for realizing
these applications including safe, compact and high-capacity hydrogen storage
systems. Physisorptive hydrogen storage on porous materials is considered to be
potential method for vehicular application with a view of storage of large amounts
of hydrogen at near-ambient temperatures and safe pressures. Porous polymers,
such as hypercross-linked polymers, integrate incipient merits to the adsorbent
family because of their low cost, facile processing and high thermal and chemical
stability (Davankov and Tsyurupa 1990; Lee et al. 2006).

Sorbents may be synthetic or natural which include activated carbons (Rivera-
Utrilla et al. 2003); zeolites (Inglezakis et al. 2003); clays(Yavuz et al. 2003;
Al-Asheh et al. 2003); silica beads (Krysztafkiewicz et al. 2002); low-cost adsorbents
such as industrial by-products (Netpradit et al. 2004; Gupta and Suhas 2009),
agricultural wastes (Robinson and Chandran 2002) and biomass (Vasudevan et al.
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2003); and polymeric materials like organic polymeric resins (Zhang et al. 2003; Atia
et al. 2003) and macroporous hypercross-linked polymers (Azanova and Hradil 1999;
Pan et al. 2003) to name as few as significant examples. Polymeric adsorbents possess
rigid microporous structure with large surface area (greater than 1000 m?/g) (Goltz
et al. 1994). Commercially available resins in bead form (typically 0.5 mm diameter)
are usually composed of copolymers of styrene-divinylbenzene (DVB) and acrylic
acid ester-divinylbenzene which possess a wide range of surface porosities, polarities
and macropore sizes. The porosities can be built through emulsion polymerization,
and this creates a polymer matrix with surface areas ranging up to 1100 m*/g
(Thomas and Crittenden 1998; Yang 2003). Another advantage possessed is the
inclusion of functional groups in the polymer matrix enhancing it adsorptive capacity.
Styrene-divinylbenzene,  polymethacrylate, divinylbenzene-ethylvinylbenzene,
vinylpyridine, sulphonated or chloromethylated ion-exchange resins are a few exam-
ples of widely used adsorbents (Har et al. 2001; Toro et al. 2009). Polymeric
adsorbents are possible by controlling/tailoring their pore structure and on-site
regenerability (Leng 2009). In fact, the polymeric sorbents used for cyclic adsorption
processes should satisfy the following requirements: large selectivity derived from
equilibrium, kinetic or steric effect, large adsorption capacity, fast adsorption kinet-
ics, easy regenerability, improved mechanical strength and low cost (Den 2006).
Tailoring the adsorbent properties to meet the above requisites can result in adsor-
bents with immensely colossal internal pore volume, internal surface area, controlled
surface properties through culled functional groups, controlled pore size distribution
and impuissant interactions between adsorbate and adsorbent.

In this chapter we have successfully developed well-organized styrene-maleic
acid copolymer beads and composites for adsorption of toxic chemicals and
hydrogen as a highly innovative and eco-friendly method that can be employed
for large-scale cleanups of water and as a storage material for hydrogen. Chemical
modification of the SMA beads was also carried out by a simple transformation
technique characterized by different techniques. The synthesis of polymeric adsor-
bents in the form of spherical beads is carried out using three different types of
heterogeneous polymerization technique, viz., suspension polymerization, precip-
itation polymerization and emulsion polymerization (Odian 2004). Special tech-
niques such as FTIR spectroscopy, UV-visible spectroscopy, scanning electron
microscopy (SEM), X-ray diffraction technique (XRD), small-angle X-ray scatter-
ing (SAXS) and thermogravimetric analysis (TGA) have been developed in order to
characterize and study the properties associated with the materials.

In fact, adsorption isotherms are important to describe the adsorption mechanism
for the interaction of metal ions/dyes on the adsorbent surface, for the design of an
adsorption process, and to determine the efficiency of adsorption. Several adsorp-
tion isotherms pristinely utilized for gas phase adsorption are available and rarely
adopted to correlate adsorption equilibria in heavy metal/dye adsorption. Some
well-known ones are Freundlich, Langmuir, Temkin and Dubinin-Radushkevich
(D-R) (Febrianto et al. 2009). To investigate the mechanism of adsorption and its
potential rate-controlling steps that include mass convey and chemical reaction
processes, kinetic models have been exploited to analyze the experimental data.
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Several kinetic models such as pseudo-first-order, pseudo-second-order, Elovich
and intraparticle diffusion have been applied to examine the rate-controlling mech-
anism of the adsorption process. Thermodynamic considerations are paramount to
conclude whether the adsorption process is spontaneous or not. The adsorption of
metal ions/dye onto adsorbents is studied at fine-tuned temperature.

Experiment and Characterization

Cross-Linked SMA Beads
Synthesis of Cross-Linked SMA Beads

Styrene (S) and divinylbenzene (DVB) were purified by extracting with 10%
sodium hydroxide to remove the monomethyl hydroquinone (MEHQ) inhibitor
and washed repeatedly with distilled water till pH of the elute was 7 (Fig. 1a) and
finally dried over anhydrous calcium hydride. Maleic anhydride (MAn) and
azobisisobutyronitrile (AIBN) were recrystallized from 80:20 chloroform/methanol
mixture prior to use (Deb and Mathew 1996). Homogeneous solution of the purified
monomers (styrene, maleic anhydride), cross-linker (DVB) and initiator (AIBN)
was obtained in methyl isobutylketone (MIBK) under nitrogen atmosphere
(Fig. 1b). A four-neck reaction vessel equipped with an overhead stirrer, purging
tube, thermometer vial and water condenser was placed in oil bath. The organic

— Aqueous phase (NaOH +
monomethyl hydroquinone)

ot Monomer +
: rosslinker mixture

Magnetic stirrer
Eluted (NaOH +
— monomethyl
hydroquinone)

Fig. 1 (a) Purification of DVB; (b) monomer-cross-linker mixture (Gonte 2013)
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monomer solution was added to this reaction vessel containing aqueous solution
saturated with sodium chloride and in situ formed magnesium hydroxide from the
reaction between magnesium chloride and sodium hydroxide, under continuous
agitation at 60 °C (Deb and Mathew 1996). The water-to-monomer ratio was kept to
4:1 during polymerization. The monomer droplets converting to polymer particles
were prevented from coalescing by continuous agitation and optimized Mg(OH),
formation (suspension stabilizers).

Characterization

The density and cross-linking density of the synthesized cross-linked SMA beads
were determined. The conversion of maleic anhydride to maleic acid and the
functional group analysis of the copolymer were carried out using FTIR (Shimadzu
Model FTIR-8400). JEOL ASM 6360A scanning electron microscope (SEM) was
used to study the structural morphology. Thermogravimetric analysis was carried
out using a thermal analyzer (Shimadzu Model TGA-50) to determine the thermal
stability of the copolymer beads. Swelling capacity of the SMA beads was deter-
mined in ethanol.

Cross-Linked SMA as Adsorbent
Preparation of Metal Ion and Dye Solution

Single metal ion stock solutions (2000 mgL ") were prepared dissolving the copper
sulphate pentahydrate (CuSO, - 5SH,0), cobalt chloride (CoCl, - 6H,0), nickel
sulphate (NiSO4 - 6H,0), zinc sulphate (ZnSO, - 7H,0O) and chloroauric acid
(HAuCl, - 3H;0) salts in 1000 mL water. Stock solution of Congo red dye and
direct red dye was prepared with concentration of 100 mgL ™" in water. The various
experimental concentrations were then obtained by diluting the stock solution.

Batch Adsorption Experiments

The adsorption of Zn(II) ions was carried out by using 0.5 g beads soaked in 30 mL
ZnS0y solution of various concentrations (200 mgL ™", 250 mgL ™" and 500 mgL ")
for 2 h, and at the end of the desired set time duration, 1.0 mL of supernatant
solution was used to detect the concentration of the metal ions remaining in the
solution. The effect of solution pH on adsorption was observed for a batch of 0.5 g
SMA in 30 mL solution of concentration 100 mgL~'. The amount of SMA beads
was also varied from 0.2 to 1.0 g for fixed metal ion concentration (250 mgL ") for
2 h to obtain another set of data. The concentration of the metal ions was evaluated
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Fig. 2 Schematic presentation of batch adsorption process (Gonte 2013)

by titrating fixed volume of Zn(II) solution at specific time interval against standard
EDTA solution (Gonte et al. 2011a, b). For Cu(Il), Co(Il), Ni(II), Au(IIl) ions,
Congo red and direct red dye, adsorption was determined spectrophotometrically at
720 nm, 510 nm, 660 nm, 310 nm, 500 nm and 500 nm, respectively. The schematic
presentation of the batch adsorption study is as shown in Fig. 2.

SMA Biocomposites
Synthesis of SMA-Sawdust (SMA-SD) Composites

The composite of styrene-maleic acid sawdust (SMA-SD) was synthesized by
suspension polymerization as described in copolymer synthesis. Sawdust was
washed in distilled dihydrogen monoxide to abstract any adhering impurities,
dried and sieved. The homogeneous coalescence of organic monomers,
i.e. styrene, MAn, DVB and free radical initiator AIBN (0.8 wt% predicated on
monomers), was yare in MIBK solvent. The aqueous phase consisting of saturated
salt solution (NaCl, Mg(OH),) was yare in reaction vessel. The two phases were
commixed together under inert conditions. When the gel point of the polymeriza-
tion was achieved at about 70 °C, fine sawdust (by wt%) was integrated to the
polymerization cumulation and stirred at 800 rpm to obtain the composite beads of
300-600 pm. These SMA-SD composite beads were then isolated from the aqueous
phase and washed perpetually with dihydrogen monoxide, followed by toluene, to
abstract unreacted monomers and with dilute hydrochloric acid for abstraction of
magnesium hydroxide and determinately dihydrogen monoxide washed to abstract
the acid and salts adhering to the surface of the polymer beads (Shelar et al. 2011).

Synthesis of SMA-Sugarcane (SMA-SM) Composites
Sugarcane molasses were obtained and washed repeatedly with distilled water,

dried and sieved. The composites of styrene-maleic acid-sugarcane molasses
(SMA-SM) were synthesized by the above mentioned process.
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Batch Adsorption of Metal Ions and Dyes

Spectroscopic detection and quantification method as described in batch adsorption
experiments was used for batch adsorption process for removal of dye (Congo red
dye) and inorganic pollutants (Cu(II), Ni(II) and Co(II) ions) from aqueous solu-
tion. 100 mgL~" concentrations of the dye were prepared as the stock solution,
while the stock metal ion solution was of concentration 1000 mgLfl. Cu(II), Co(ID),
Ni(II) and Congo red dye were determined spectrophotometrically at 720 nm,
510 nm, 660 nm and 500 nm, respectively.

Chemically Modified SMA Beads
Synthesis of SMA Metal-Organic Frameworks

SMA-metal-organic frameworks were synthesized by a slight modification of the
literature method of slow diffusion of TEA (Li et al. 1998). Briefly,
dimethylformamide (DMF) solution containing Zn(NO3),.6H20 and dicarboxylic
acid in a ratio of 1:2 mole % was diluted using toluene. The requisite amount of
SMA beads was allowed to swell in this solution. The mixture was placed under
reduced pressure for 5 h to ensure complete filling up of pores of SMA beads. After
5 h, the supernatant liquid was decanted, and slow vapour diffusion of triethylamine
(TEA) in toluene was allowed. The system was sealed and kept undisturbed for
2 days at room temperature 300 K. SMA beads were then washed with DMF and
dried under vacuum at 50 °C to constant weight. Three different dicarboxylic acid
linkers, namely, 1,4-benzenedicarboxylic acid (BDC), 1,6-naphthalenedicarboxylic
acid (NDC) and 1,8-biphenyldicarboxylic acid (BPDC), were used in the formation
of MOFs with Zn(II) as the central metal ion. The schematic formation of Zn-SMA-
DCA frameworks is shown in Fig. 3.

In another method of formation of SMA-MOFs, no additional dicarboxylic acid
was used. Instead the Zn(II) ions were allowed to react with the carboxylic acid
groups of SMA to form Zn(Il) SMA complexes or Zn-SMA metal-organic frame-
works (Deb et al. 2005; Gonte et al. 2011a, b). The schematic presentation is shown
in Fig. 4.

Synthesis of SMA Polyaniline Semi-interpenetrating Networks

The synthesis of SMA-PANI semi-interpenetrating networks was based on a
literature report by P C Deb (Deb et al. 2005). Benzoyl peroxide was recrystallized
from 1:1 chloroform/methanol solution. Aniline was vacuum distilled prior to use.
The semi-IPNs were synthesized by oxidative polymerization of aniline with
benzoyl peroxide. The oxidative polymerization of aniline to polyaniline (PANI)
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Fig. 4 Schematic representation of formation of Zn-SMA-MOFs (Gonte 2013)

is known to form emaraldine type of polyaniline. The schematic representation of
which is shown in Fig. 5.

Known weight of SMA microspheres was suspended in acetone solution
containing 0.6 M benzoyl peroxide and evacuated to remove entrapped air as
well as to allow easy entry of BP solution inside the pores of SMA beads.
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Fig. 5 Schematic representation of formation of SMA-PANI semi-IPNs (Gonte 2013)

Fig. 6 Colour displayed by SMA beads during formation of SMA-PANI semi-IPNs (Gonte 2013)

The copolymer beads were then repeatedly washed with acetone to remove excess
of BP. These microspheres were then added to aqueous acetone solution of freshly
distilled aniline, and the mixture was stirred slowly but continuously for 24 h. The
colour of the SMA beads changed from pale yellow to brown black in 15 min on
stirring indicating the start of polymerization of aniline. The colour of the beads
was further changed to purple black indicating polyaniline formation after 24 h as
shown in Fig. 6. The solution containing fine black particles was decanted off, and
the copolymer was purified by continuous soxhlation using acetone and then dried
at 50 °C under reduced pressure to constant weight (Gonte et al. 201 1a, b).
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Characterization of Chemically Modified SMA Copolymer
Beads

The modified SMA beads were characterized using Fourier transform infrared
(FTIR) spectroscopy, scanning electron microscopy (SEM), thermogravimetric
analysis (TGA) and swelling capacity in ethanol.

Hydrogen Adsorption

Hydrogen gas adsorption studies were carried out using SORPTOMATIC 1990
instrument (Thermo Finnigan, Italy), which records the fall of pressure and auto-
matically converts the same into amount of gas adsorbed as per ASTM standards.
The instrument was standardized with hydrogen and nitrogen to determine the dead
volume. About 0.7 g of beads was evacuated (10-6 torr) at 343 K for 2 h in a
previously evacuated glass sample holder to ensure cleanliness of surface and
availability of clean pores for adsorption. A typical measurement for sample was
continued for about 24 h at room temperature 300 K.

Result and Discussion

Cross-Linked SMA Beads
Effect of Experimental Parameters

Under the optimized reaction conditions, five different compositions of the cross-
linked SMA beads were synthesized by varying the cross-linker content in the
reaction mixture which is summarized in Table 1. The yield for all the compositions
was found to be almost constant (=70%). The size of the cross-linked copolymer
beads was found to be highly influenced by the stirring speed of the overhead stirrer.
The effect of rpm on the bead diameter was investigated by carrying out the speed
of the overhead stirrer to 400 rpm, 600 rpm and 800 rpm. The organic phases, when
stirred with the aqueous phase under varying agitation speed, dispersed the mono-
mers in the form of minute droplets along with the aqueous phase. The size of the
droplet formed thus controls the bead diameter. During polymerization process, the
viscosity of the medium also increases, and at the gel point, beads start to gain

Table 1 Synthesis data for SMA copolymer beads

Polymer designation Al A2 A3 A4 AS
S:MA (mole ratio) 1:1.6 1:1.6 1:1.6 1:1.6 1:1.6
S:DVA (mole ratio) 1:0.26 1:0.41 1:0.53 1:0.66 1:0.80
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Table 2 Effect of agitation

B rpm 400 600 800
speed on the bead size

Bead dia (p) 800-1000 300-500 200400

Table 3 Calculated parameters of the SMA copolymer beads

Density (p) Pore volume (V)
Copolymer | (g/mL) (mL) Porosity (®) | Crosslink density (x 1073
Al 0.892 1.878 1.565 8.980
A2 0.909 2.176 1.813 9.543
A3 0.919 1.918 1.598 11.546
A4 0.933 1.715 1.429 11.748
A5 0.951 1.645 1.370 11.344

shape. The control of rpm at and after this stage of polymerization is particularly
important. It was observed that, with stirring speed of 200 rpm, there was a
tendency of the beads to adhere post-polymerization, resulting in formation of a
hard mass. The bead diameter as a function of controlled rpm control is presented in
Table 2.

True Density, Pore Volume, Porosity and Cross-Link Density
True Density

Cross-linked SMA copolymer beads (1.0 g) were dried to constant weight (W,,) and
placed in a 10 mL specific gravity bottle of known weight at 27 °C. Ethanol
(7.0 mL) was added to this bottle, and the mixture was maintained under identical
conditions for 24 h at 27 °C. The specific gravity bottle was then filled with ethanol
and weighed carefully (Wan et al. 2004). The true density of the cross-linked SMA
beads was calculated and is summarized in Table 3.

— WO
T =
where W, is the total weight of beads and solvent and ds is the density of solvent
(ds = 0.789 g/mL).

Pore Volume and Porosity

Known amount of SMA beads were placed in a sintered glass tube, and the entire
assembly was placed in ethanol at 27 °C for 24 h. The excess solvent was removed
and volume of ethanol absorbed by the beads was estimated V|, was estimation;
porosity (®) of the beads was calculated following methods of Rosenberg et al.
(1983), Greig and Sherrington (2003) and Wan et al. (2004) as follows:
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where V,, is the pore volume in the beads, V,, is the true volume of the beads, W, is
the weight of dry beads and p is the true density of the polymer.

Cross-Link Density

The cross-linking density p. of the cross-linked SMA beads was calculated from the
Flory-Rehner equation (Wan et al. 2004):

1

Pec = (ZMC)71

where M. is the average molecular weight per cross-linking unit calculated as

v (1))
—[In (1 =Vy) + Ve + V]

Mc =

where V. is the volume of polymer in the swollen state equilibrium, y is the polymer
solvent interaction parameter taken as 0.5, V is the molar volume of solvent and p is
the true density of the polymer.

CHNS-Elemental Analysis

The CHN analysis of the cross-linked beads was performed in CHNS analyzer,
Elementar Vario 111. The elemental analysis of total carbon and hydrogen provides
the composition of the polymeric matter. It could be clearly seen from the obtained
data (Table 4) that the carbon content of the copolymer beads increases with
increase in the cross-linker (DVB) concentration of copolymer compositions. The
carboxyl content of the polymer is reduced due to introduction of high density of

Table 4,tAEle“;e£tal | Copolymer %C %H %0
composition of the copolymer =y 80.26 7.709 12.031
beads
A2 83.11 8.033 8.857
A3 83.56 8.102 8.857
Ad 81.35 7531 11.119

A5 85.56 8.042 6.398
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cross-linking. The elemental analysis data indicates the presence of 1.879, 1.383,
1.302, 1.737 and 0.999 millimoles of maleic acid per gram of polymer A1, A2, A3,
A4 and AS, respectively. However, sudden increase in carboxyl content was
observed with A4 beads. This may be due to pronounced association of cross-
linker and maleic anhydride leading to higher content of acid in the copolymer.
Increasing the DVB content increases the cross-linking intensity and porosity of the
networks (Gonte et al. 2012).

FTIR Spectroscopic Analysis

The FTIR spectra of the cross-linked SMA beads were recorded on Shimadzu
spectrophotometer to confirm the presence of carboxylic acid and styrene func-
tional groups in the synthesized polymer (Fig. 7).

The FTIR spectra show the presence of peaks around 2930 and 2840 cm™
corresponding to the asymmetric and symmetric stretch of C-H, while the peak
positioned at 2930 cm ™' corresponds to the OH stretch of carboxylic acid. The
presence of 3500 cm ™' and 1710 cm™" (shoulder peak) confirmed the free acid
formed after hydrolysis of anhydride groups of cross-linked copolymer, and the
broad band peak around 3000 cm ™' indicates the presence of high concentration of
COOH groups. Bands at 3000 cm ™', 2920 cm ™' and 2850 cm ™' correspond to the
asymmetric and symmetric C-H stretch, and the peaks around 1943-1728 cm ™"
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Fig. 7 1R spectra of cross-linked copolymer beads (Gonte 2013)
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correspond to the aromatic ring substitution of styrene groups. The peaks within
range 3100-3000 cm™' correspond to aromatic stretching vibrations. Peaks at
1461 cm™" and 1561 cm ™' represent C = C (stretch) of the aromatic ring and
carboxylate ion peak, respectively. Absorption peak at 3020 cm ™' characterizes
=C-H stretching for aromatic fragments. Thus the presence of both maleic acid and
styrene groups in the copolymer beads was confirmed from the IR specta for all the
05 compositions of cross-linked SMA beads.

SEM Analysis

The SEM analysis of the copolymer beads was performed to analyze the variation
occurred by increasing the cross-linker content in the beads. The SEM images of the
copolymer beads were obtained by coating the beads with an ultrathin coating of
electrically conducting material (platinum) either by low-vacuum sputter coating or
by high-vacuum evaporation. These coated samples were then mounted on the SEM
moulds and scanned. The low-magnification SEM images confirmed the spherical
shape of the beads, while the magnified micrographs revealed the presence of
fissures, flow lines, micropores and voids. Increase in the microporosity and
development of well-defined flow lines were observed with increase in the DVB
content in the polymer beads as can be seen from Fig. 8.

The SEM images also indicate the increased compact packing observed in the
beads with increasing divinylbenzene content suggesting the establishment of rigid
interpenetrating network formation and increased cross-linking. Homogeneity in
the pore size is also observed with increase in cross-linking, and thereby distinct
fineness is introduced in the internal structure (Gonte et al. 2012). The SEM
micrographs were then analyzed using the Biovis Material Plus software to estimate
the pore size and pore density. The micrographs show uniform distribution of pores
in size up to 75 pm.

Thermogravimetric Analysis

The thermogravimetric analysis showed that the cross-linked copolymer is ther-
mally stable up to 400 °C (Gonte et al. 2011a, b), and complete decomposition
occurs after 450 °C as can be observed from Fig. 9. The initial slight notch observed
at around 220 °C is due to the decomposition of maleic acid to maleic anhydride
which remains as the residue after even complete combustion of the copolymer and
is reflected as residual weight. The shape decrease in the temperature around 400 °C
corresponds to the decomposition of styrene groups of the copolymer. The nature of
curve with the various compositions of the SMA beads follows a similar pattern
indicating that the increased DVB content shows no significant effect on the
thermal stability of the copolymer.
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Fig. 8 SEM micrograph of the samples; (a) low-magnification SEM image of SMA; high
magnification micrographs of (b) Al, (c), A2 (d), A3 (e), A4 and (f) A5 (Gonte 2013)

Cross-Linked SMA as Adsorbent
Characterization of the Metal Ion-Loaded SMA Copolymer Beads

The SEM images of the metal ion-adsorbed SMA beads showed no significant
change in the morphology of the beads. The presence of the metal ion in the
adsorbents was observed around the fissures and voids on the external surface of
the beads. The presence of the metal ions in the beads was confirmed from the EDX
analysis. The FTIR spectra indicated the slight decrease in the intensity of the
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Fig. 9 Thermogravimetric curves of SMA beads (Gonte 2013)

carboxylate ion 1710 cm™' peak noted after adsorption and complex formation
between the metal ions and carboxyl group of the beads. The formation of varying
colours of the beads on adsorption of Au(Ill) ions indicated the formation of
nanogold within the polymer matrix which was confirmed from the XRD analysis.
The XRD pattern for the Au(Ill) ion-embedded polymer matrix revealed the peaks
with d spacing of 2.3427, 1.4388 and 1.2612. The appearance of these diffraction
peaks in the gold ion-adsorbed SMA bead, indicates the presence of pure gold in
nano form embedded into the polymer matrix (Gonte et al. 201 1a, b). This reduction
of Au(Ill) to Au(0) was observed due to the presence of trace amount of sodium
ions entrapped in the polymer matrix during synthesis as an impurity. The XRD
analysis of the metal ion-adsorbed beads is shown in Fig. 10. The XRD analysis of
the metal ion-adsorbed beads shows the peak corresponding to d spacing of 4.04,
2.66, 2.47 and 1.96 for Cu(Il) complexes; d spacing of 8.57, 5.57, 5.03 and 3.36 for
Co(II) complexes and d spacing of 2.64, 2.188 and 1.16 for Ni(I) complexes with
SMA beads (Sicilia-Zafrac et al. 1999; Deshdmukh and Deshpande 2011). Addi-
tionally, the core sizes of the embedded nanogold were deduced from the SAXS
data. The small-angle X-ray scattering confirmed the presence of spherical agglom-
erates with typical radius of 48 nm and presence of larger aggregates of size in the
range of 200 nm.
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Fig. 10 XRD spectrum of SMA complexes with (a) Cu(Il), (b) Co(Il), (¢) Ni(II) and (d) Au(IIl)
(Gonte 2013)

Effect of pH

The removal of metal ions from aqueous solutions by adsorption was found to be
highly dependent on the pH of the solution. Adsorption of Cu(II), Co(Il), Zn(II) and
Ni(II) ions was observed for increases with an increase in the pH from 4.0 to 8.0 as
shown in Fig. 11. The decrease in the adsorption below pH 6 can be explained by
the fact that at pH below 6.0, the H;0+ ions present in the aqueous solutions
compete with the free metal ions for the active sites with carboxylic groups. The
carboxyl groups get protonated which block the site for adsorption, and further the
steric hindrance created by the protonation of acid decreases the metal ion uptake.
The increase in the adsorption efficiency of the SMA with increase in pH from 4.0
to 7.0 was observed in case of all four metal ions, which suggests that the
mechanism of uptake is same in all cases. In the case of Congo red and direct red
dye, adsorption was attempted at its neutral pH 7.0 since both these dyes were found
to be chemically and structurally stable at this pH. Drastic colour change was
noticed even with slight change in pH.
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Fig. 11 pH-dependent adsorption for SMA beads (Gonte 2013)
Effect of SMA Copolymer Dose

An increase in the amount of adsorbents leads to a significant increase in the active
sites which shows an enhanced adsorption of various metal ions and dyes. Thus, it
was observed that adsorption increases with increase in SMA dose of 0.1 g-1.0 g
(Fig. 12). However, further increase in sorbent dose showed no significant increase
in adsorption. This can be attributed to the presence of very low concentration of
metal ions/dyes in the solution such that the equilibrium is achieved, and no further
adsorption occurs. Removal of metal ions increases with increased adsorbent
dosage due to increase in active sites.

Equilibrium Adsorption Isotherms

The distribution of adsorbed chemical species between the liquid phase and the
solid phase at equilibrium state was studied by fitting the obtained experimental
equilibrium data to the various adsorption isotherm models, namely, Langmuir
model, Freundlich model, Temkin model and Dubinin-Radushkevich (D-R) model.
Adsorption isotherm graphs, i.e. equilibrium adsorption capacity (g.) versus equi-
librium concentration of the residual metal ions/dye in the solution (C.), were
plotted. The equilibrium adsorption capacity was calculated using the equation:
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Fig. 12 Effect of SMA dose on adsorption of metal ions/dyes (Gonte 2013)

(Co —Ce)
qe = % xM
where g (mgg ") is the equilibrium adsorption capacity, C, and C, are the initial
and equilibrium concentration (mgLfl) of metal ions/dye in solution, V (L) is the
volume of solution and M (g) is the weight of the adsorbent used.

Langmuir Isotherm Model

Langmuir model postulates monomolecular layer adsorption without any interac-
tion between the adsorbed molecules, and linearized form of this equation is
represented as (Hostetler et al. 1998):

C_ 1

qe B Gmax X KL Gmax

where C. is the equilibrium concentration (mgL "), ge is the amount of metal ion
sorbed (mgg_l), gmax 1S ¢ for a consummate monolayer (mgg_l) and K; is a
constant cognate to the affinity of the binding sites (Lmg ™).

The plot of C./q. versus C, as shown in Fig. 13 yields the Langmuir constants
gmax and K . Ry is calculated from the initial conc. of metal ion/ dye as:
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Fig. 13 Langmuir plots for adsorption of (a) metal ion (b) dyes (Gonte 2013)

1
RLil—l-(KLXCo)

The Ry value obtained for all the metal ions and dyes are greater than zero and
less than unity indicating that the adsorption occurs as monolayer adsorption onto
the heterogeneous/microporous surface of the SMA beads. The regression coeffi-
cient values of Cu (II), Co (II), Ni(Il), Zn(II), Au(III), direct red and Congo red are
0.9755, 0.9798, 0.9896, 0.9548, 0.9813, 0.9905 and 0.9911, respectively. The high
regression coefficient values of 0.97-0.99 indicate a high correlation between the
experimental and theoretical data.

Freundlich Isotherm Model

The Freundlich isotherm model postulates adsorption occurs on heterogeneous
surfaces and adsorption capacity is cognate to the concentration of metal ions at
equilibrium. The linearized form of Freundlich equation is:

1
Ing, =—xInC. + InKg
n

where g, and C,, are the equilibrium concentrations of metal ions in adsorbed (mg/g)
and liquid phases (mg/L), respectively. Kr and n are the Freundlich constants
related to adsorption capacity and intensity, respectively.

The plot of In ¢, versus In C, is shown in Fig. 14 and yields the value of
Freundlich constant » and K. A favourable adsorption is indicated from the values
of the order Cu(Il) > Au(IIl) > Ni (II) > Zn (I) > Co (II) > Congo red > direct
red. The regression coefficient values of Cu (II), Co (II), Ni(Il), Zn(Il), Au(IID),
direct red and Congo red are 0.9939, 0.9792, 0.9972, 0.9994, 0.9988, 0.9919 and
0.9948, respectively. The regression coefficients (= 0:99) also indicate a high
correlation of the experimental data with the theoretical calculations.
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Fig. 14 Freundlich plots for adsorption of (a) metal ions and (b) dyes (Gonte 2013)
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Fig. 15 Temkin plots for adsorption of (a) metal ions, (b) Au(IIl) ions and (c) dyes (Gonte 2013)

Temkin Isotherm Model

The effects of heat of adsorption that decrements linearly with coverage of the
adsorbate and adsorbent interactions are postulated by the Temkin’s model which is
represented as:

RT
=37 X (Inal) +b—T x InCe

9e

where R is the gas constant 8.314 X 107> kJ mol ™! Kil, T is the absolute temperature
K, bT is the Temkin constant related to the heat of adsorption (kJmolfl) and aT is
the equilibrium binding constant corresponding to the maximum binding energy (1/g).

The linear plots of g, versus log C. determines the constants aT and bT (Fig. 15).
The regression coefficient values of Cu (II), Co (II), Ni(Il), Zn(II), Au(IIl), direct
red and Congo red are 0.9743, 0.9896, 0.9936, 0.9760, 0.9810, 0.9959 and 0.9875,
respectively. The satisfactory linear fit obtained for all metal ions and dyes is
indicated from the regression coefficient values.
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Fig. 16 Dubinin-Radushkevich plots for adsorption of (a) metal ions and (b) dyes (Gonte 2013)

Dubinin-Radushkevich (D-R) Isotherm Model

Dubinin-Radushkevich models estimate the mean free energy of adsorption. The
linearized form of the D-R equation is represented as:

Ing, = In gy, — K&

where K (mo 1> kJ~2) is a constant related to the mean adsorption energy and € is the
Polanyi potential, calculated from equation:

1
€ =RTIn(1+—
(1)

The plot of In ¢, versus €* (Fig. 16) yields the constant K, which presages the mean
free energy E of adsorption per molecule of the adsorbate when it is transferred to
the surface of the solid from illimitability in the solution. The regression coefficient
values of Cu (II), Co (II), Ni(Il), Zn(II), Au(Ill), direct red and Congo red are
0.9743, 0.9896, 0.9936, 0.9760, 0.9810, 0.9959 and 0.9875, respectively. The
adsorption is assumed to be physisorption in the early stages followed by chemi-
sorption of the chemical species involved.

Kinetic Studies

Kinetic experiments were conducted to determine the adsorption mechanism and
the potential rate-controlling steps. These kinetic results also enable to select the
optimum condition for full-scale batch adsorption process. The rate constants were
calculated by using the conventional rate expression. The amount of metal ion/dye
sorbed, g,, was calculated as:
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Fig. 17 Pseudo-first-order plots for adsorption of (a) direct red and (b) Congo red dye (Gonte
2013)

(Co B Ct)

= xV
qt M

where ¢, (mg/g) is the equilibrium adsorption capacity.

Pseudo-First-Order Kinetic Model

This kinetic model assumes that rate of adsorption of solute on the adsorbent is
based on the adsorption capacity. The pseudo-first-order rate equation is given as:

ki
log(g. — ¢,) = logg. — 7303 <!

where k| is the first-order adsorption rate constant (minfl). The graph of log (¢.—q,)
versus ¢ gives a straight line plot (Fig. 17) with negative slopes from which the
pseudo-first-order rate constant is calculated. The correlation coefficient values of
dyes (0.99) obtained by this method show good quality of linearization.

Pseudo-Second-Order Kinetic Model

The pseudo-second-order kinetic models correlate between the amount of metal

ions/dye on the adsorbent surface and its amount adsorbed at equilibrium. The rate

is directly proportional to the number of active surface sites, which is calculated as:
t 1 1

—_—=— 4+ — Xt
qt kZXQeZ qe
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Fig. 18 Pseudo-second-order plots for adsorption of (a) Cu(II) and (b) Zn(II) ions (Gonte 2013)
where k is the second-order adsorption rate constant (gmg ' min~"). The constant
k» is used to calculate the initial sorption rate # (mg/ (g min)), at t — 0 as follows:

h =k x q,>

The application of the pseudo-second-order kinetics by plotting /g, versus
t (Fig. 18) yielded the second-order rate constant k,. The calculated g, values for
Cu(II) and Zn(II) agree very well with the experimental values as compared to other
metal ions and dyes; however, the correlation coefficient obtained for all the
adsorbates gives best fit linearized plots.

Adsorption Mechanism

The mechanism involved in the adsorption of metal ions and dyes onto the SMA
beads was identified by fitting the experimental data to the intraparticle diffusion
plot, a graph of ¢, versus 7"/? (Fig. 19) from the equation:

!
qt = Kint X t/z

where K, is the intraparticle diffusion rate constant (mgf{l minfo's).

The first sharper portion is the external surface adsorption, the second portion is
the gradual adsorption stage and the third step is the final equilibrium stage. The
three-step adsorption process was observed only for the metal ions, whereas for dyes
only two-step adsorption was indicated without achieving the final equilibrium stage.

Desorption Studies

The reusability of the SMA beads was tested by observing the desorption of the
various metal ions and dyes from the cross-linked SMA bead surface using
hydrochloric acid solutions. Desorption ratio was calculated from the equation:
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Desorption ratio 100

Rapid desorption (= 80%) of metal ions was noted within the first 10 min as can
be observed from Fig. 20. It can be clearly noted that desorption of Cu (II) ions
occurs to its maximum 97% within 15 min after which no further desorption
occurred. Desorption of Ni(II) and Co(II) reached its maximum within 30 min. In
case of dyes, ~85% complete desorption occurred using 0.5 M HCI solution in
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Fig. 20 Desorption curves of (a) metal ions and (b) dye (Gonte 2013)

Fig. 21 SEM images of (a) SD-SMA and (b) SM-SMA (Gonte 2013)

30 min. Thus the results show that the cross-linked SMA copolymer beads can be
successfully regenerated and can be used for re-adsorption of metal ions/dyes from
aqueous solution.

SMA Biocomposites

The SD-SMA and SM-SMA composite beads with varying wt% of biomaterials (5 wt
%, 10 wt% and 20 wt%) were synthesized. It was observed that uniform-sized
spherical beads were developed with addition of sawdust up to 20 wt%, and with
sugarcane molasses, elliptical beads of uniform size were obtained up to 10 wt%
addition. Additionally, the SEM images of the composite beads (SD-SMA and
SM-SMA) formed were in the size range 300—600 pm as can be seen from the SEM
micrographs. The micrographs also confirmed the spherical shape of SD-SMA com-
posite beads (Fig. 21a) and elliptical shape of SM-SMA composite beads (Fig. 21b).
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Fig. 22 Effect of pH on adsorption using (a) SD-SMA and (b) SM-SMA composite (Gonte 2013)

Effect of Solution pH

The adsorption of Congo red dye was studied at pH 7. The Congo red dye was found
to be chemically and structurally stable at pH 7. Drastic colour change was descried
with remote transmutation in pH. The adsorption of metal ions (Cu(II), Co(Il) and
Ni(I)) was studied by varying the pH of the solution from pH 4.0 to pH 8. It was
observed adsorption increases with increase in the pH of the solution, exhibiting
maximum adsorption at pH 6.7 (Fig. 22). The SM-SMA composite beads demon-
strated enhanced adsorption as compared to SD-SMA composite groups which can
be attributed to the astronomically immense number of lignin and cellulosic groups
of SM.

Effect of Composite Dose

Increasing the amount of composite beads from 0.1 to 0.5 g for a fixed volume of
solution at pH 6.7 and 200 mgL ' metal ion conc., adsorption was observed to
increase which is due to significant increase in the active adsorption sites. The
enhanced adsorption was again noted with SM-SMA composite beads (Fig. 23).
However, further increase in sorbent dose showed no significant increase in
adsorption.

Equilibrium Adsorption Isotherms
Langmuir Model
Langmuir model was found to be applicable in the interpretation of adsorption of

CR dye and metal ions (Fig. 24) onto SD-SMA and SM-SMA composite beads. The
equilibrium data when validated with the theoretical equation (Sousa et al. 2009)
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gave rise to the linear plots, indicating that the Langmuir model could be well
applied to the system:

S

qe Gmax X KL Gmax

Freundlich Model

The Freundlich constants were calculated by plotting graph of In ¢g. versus In C,
using the linearized isotherm equation (Zuorro et al. 2010; Zhang et al. 2010) for
adsorption of dyes and metal ions (Fig. 25) onto the biocomposite beads:

1
Ing. =—xInC. + InKg
n
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Fig. 25 Freundlich adsorption isotherm for adsorption of metal ions onto (a) SD-SMA and (b)
SM-SMA and adsorption isotherm for (¢) CR (Gonte 2013)
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Temkin Model

Temkin isotherm model was used to calculate the maximum binding energy using
the linearized equation (Zuorro and Lavecchia 2010) as:

RT RT
Ge =75 % (InaT) +b—T x InCe
The graph of g. versus In C. for adsorption of dyes and metal ions (Fig. 26)
yields the value of aT corresponding to the maximum binding energy. The values

indicate a good potential for adsorption of metal ions and dyes onto the composite
beads with high correlation coefficient values.

Kinetic Models
Pseudo-First-Order

Lagergren pseudo-frst-order linearized equation was used to determine the adsorp-
tion mechanism (Demirbas et al. 2002):
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Fig. 27 Pseudo-first-order plots using SD-SMA for adsorption of (a) Cu(Il) and (b) CR (Gonte
2013)
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Fig. 28 Pseudo-first-order plots using SM-SMA for adsorption of (a) Cu(II) and (b) CR (Gonte
2013)

k

log(qe — ¢,) = log g, — ﬁ xt

The linearized graphs of the pseudo-first-order kinetics of Cu(Il) and CR are
presented in Figs. 27 and 28 for SD-SMA and SM-SMA composite beads, respec-
tively. The rate constants obtained for all the different conc. of metal ions are also
comparable indicating the same adsorption mechanism applies and that adsorption
occurs by monolayer formation onto the composite beads, thus suggesting that a
pseudo-first-order rate governs the adsorption process.

Pseudo-Second Order

The linearized pseudo-second-order rate equation (Demirbas et al. 2002) was used
to calculate the rate constant in predicting the rate control kinetics:
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The linearized form of the pseudo-second-order model for SD-SMA and SM-SMA
composite beads for Cu(Il) and CR is shown in Figs. 29 and 30, respectively. The
high correlation coefficient values obtained for metal ions and dyes support the
assumption that adsorption of metal ions is through chemisorption involving
valence forces through the sharing or exchange of electrons between adsorbent
and metal ions.

Intraparticle Diffusion Model

Intraparticle diffusion model was used to describe the adsorption mechanism
onto SD-SMA and SM-SMA composite beads. Figures 31 and 32 show the plot
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of g, vs 1% for Cu(Il) and CR on SD-SMA and SM-SMA composite beads.
Adsorption occurs in two-step adsorption. The first is the instantaneous diffusion,
where the rate of diffusion is fast, and the second step is a rate-controlled step.
These observations are in good agreement with the literature (Parab et al. 2010).

Chemically Modified SMA Beads

Characterization

The FTIR spectra of SMA-MOFs beads showed a drastic decrease carboxylate ion
1725 cm ™" peak indicating the formation of metal carboxylates into the polymer
matrix as can be clearly seen from Fig. 33a. The presence of 1311 cm™' peak
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Fig. 33 Hydrogen adsorption onto SMA beads (Gonte 2013)

corresponding to aromatic C-N stretch, the asymmetric stretching frequency of N-H
at 3335 cm~ !, C-N stretch at 1172 cm™ ' and a low-intensity 1620 cm™"' (sharp
peak) corresponding to N-H bends were observed in FTIR spectrum of SMA-PANI
IPNs (Fig. 33b). Thus the presence of C-N and N-H peaks in the IR spectrum
indicates the formation of polyaniline in the semi-IPN. Moreover, the CHNS-
elemental analysis of PANI-encapsulated SMA polymer showed the presence of
0.395% N corresponding to ~ 2:8 mole% of polyaniline in the semi-IPNs. The
SEM analysis of the cut surface of the modified SMA beads revealed well-defined
structure formation in the interiors/pores of the SMA beads. The thermal stability of
the various modified polymer matrixes were confirmed from the thermogravimetric
analysis (TGA), which revealed no change in the shape of the decomposition curve
on formation of metal complexes or semi-IPNs as compared to the SMA copoly-
mer. The chemical modifications showed no effect on the thermal stability of the
polymer matrix, exhibiting the usable temperature range from RT to 400 °C. The
residual mass, however, decreased by 7-10%, which is expected due to the forma-
tion of metal-carboxylate complexes with the carboxylic acid groups which
decrease the concentration of maleic anhydride content of the polymer.

Hydrogen Adsorption

The hydrogen adsorption studies were conducted by allowing the beads to be in
contact with the gas in discreet pressure ranges within 0-900 torr. For this study, a
Sorptomatic 1900, which allows accurate measurements up to 900 torr, has been
used (Gonte et al. 2012). All the measurements were carried out at room temper-
ature 300 K.

It was observed that the rate of hydrogen adsorption is almost comparable for
the various cross-linked polymers, independent of their DVB content (Fig. 34).
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Fig. 34 Hydrogen adsorption onto modified SMA beads (Gonte 2013)

Hydrogen adsorption analysis on SMA beads under the same desired acquisition
parameters as observed by (Deb et al. 2005) showed the rate of adsorption to be
3 wt% per hr., as compared to the highly cross-linked beads where the rate is about
30 wt% per h. In the case of Al, A3 and A5, positive adsorption was observed.
These results are in good agreement with the previously reported results on
hydrogen adsorption in the SMA copolymer matrix (Deb et al. 2005).

Hydrogen adsorption in the Zn-SMA-MOF beads and Zn-SMA-DCA MOFs
beads were also studied under the same parameters at room temperatures (300 K)
(Fig. 35). Instantaneous hydrogen adsorption on these beads for 25 h revealed that
hydrogen storage capacity of the hypercross-linked polymer beads (0.67 wt %)
decreases slightly due to the formation of metal complex and entrapment of MOFs
in the pores. These findings can be attributed to the blockage of pores by the
complex formation and MOF decoration. This effect was found to diminish with
long exposure time of 3 days where similar hydrogen adsorption capacity (= 0.8 wt%)
was noted for all types of beads (Gonte et al. 2011a, b).

With PANI-encapsulated polymer, the adsorption was observed to take place at
around 500 torr pressure and showed continuous uptake without reaching the
limiting saturation pressure. The decrease in the rate of hydrogen adsorption by
PANI-encapsulated polymers indicates towards the decrease in the pore size due
encapsulation, which occurs even in the pores of the SMA polymer microspheres.
The size of the pore and overall microsphere diameter has found to have a profound
influence on the hydrogen adsorption capacity of the polymer. However, the pore
surface of the SMA polymer that is coated with polyaniline will tend to reduce the
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Fig. 35 Hydrogen adsorption onto modified SMA beads (Gonte 2013)

porosity of the polymer as confirmed from SEM findings (Gonte et al. 2011a, b)
which results in decrease in hydrogen adsorption capacity.

Conclusions

The present chapter describes about the styrene-maleic acid copolymer beads as
adsorbent for removal of heavy metal ions and dyes from aqueous solutions and
also as adsorbent material for hydrogen storage. Thus the copolymer matrix was
synthesized by suspension polymerization method which yields the spherical bead-
shaped copolymer. Effect of agitation speed on bead dimension was studied. Five
different compositions were made varying the cross-linker divinylbenzene content,
and the mechanical, morphological and thermal properties were analyzed and one
final composition was selected as adsorbent. Characterization of SMA beads was
carried out using various techniques such as FTIR, SEM, TGA, XRD and SAXS,
and the effect of experimental parameters on adsorption were studied. Adsorption
studies on cross-linked SMA beads were carried out using various adsorption
isotherms and kinetic models. The results thus indicate that cross-linked SMA
copolymer bead can prove to be a potential candidate for treatment of industrial
wastewater containing various metal ions and dyes. These copolymer beads were
also capable of in situ reduction of Au (III) to Au(0) without the use of any
additional reducing or capping agents.
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SMA-biocomposite beads were synthesized for the increment in the effective-
ness of the adsorption process, and characterization studies were carried out.
Biocomposites of SMA prove to be highly effective for the removal of dye stuffs
supported by the obtained data. Langmuir, Freundlich and Temkin isotherm adsorp-
tion models were utilized for the mathematical analysis of the adsorption equilib-
rium for both SD-/SM-SMA composite beads. The results obtained by the
adsorption isotherms gave best fit for experimental data, and the equilibrium
could be well described by Langmuir and Freundlich isotherm models indicating
monolayer adsorption in the first step followed by heterogeneous surface binding,
suggesting chemisorptive uptake of metal ions and dye from aqueous solution.
Hydrogen adsorption studies were carried out for both cross-linked SMA beads and
chemically modified SMA beads. Enhanced rate of hydrogen adsorption at room
temperature was successfully achieved by the introduction of highly cross-linked
interpenetrating networks inside the microspheres. No drastic change in the rate of
adsorption was noticed after complexation with Zn(II) suggesting the involvement
of metal complexes in adsorption.

In summary, it is concluded that the cross-linked styrene-maleic acid copolymer
beads can be considered as suitable adsorbent for removal of heavy metal ions and
dyes having a wide concentration range in aqueous systems. Such copolymer
matrix is highly effective for batch as well as for continuous flow process. These
adsorbents can be effectively recycled for further use. Biocomposites of SMA
prove to be highly effective for the removal of dye stuffs. Such cost-effective
adsorbent using inexpensive removal technique can find wide industrial applica-
tions. Hydrogen adsorption can be achieved under optimized conditions.
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Synthesis and Characterization of Composite
Cation-Exchange Material and Its
Application in Removing Toxic Pollutants

Mohammad Kashif Uddin and Rani Bushra

Abstract Polyaniline (PANI)-based composite cation-exchange material was syn-
thesized under different experimental conditions by the incorporation of
polyaniline into the matrices of inorganic precipitate. The experimental parameters
such as concentration, mixing volume ratio, and pH were established for the
synthesis of the material. The composite material exhibits improved ion-exchange
capacity along with chemical and thermal stability. The distribution coefficient
studies (K4) of metal ions on the material were performed in diverse solvent
systems. On the basis of Ky values, it is easy to determine the selectivity of the
material. Some analytically important separations of heavy metal ions in synthetic
and real mixtures were achieved on the columns of the composite cation-exchange
material. Batch adsorption studies were carried out to study the effect of various
parameters like effect of pH, initial concentration, and contact time.

Keywords Composite adsorbent ¢ Synthesis ¢ Characterization ¢ Analytical
applications ¢ Adsorption

Introduction

Presently, environmental pollution is the burning issue of the world. The toxic
metal ions, rapidly discharged from the industrial sources particularly in the natural
water resources are causing damage to the environment and ecosystem. Some
heavy metals are nutritionally essential for health, in its small amounts, but become
toxic if present in more than permissible limit, as they are not metabolized by the
body and accumulated in the soft tissues. The natural and anthropogenic sources of
these metal ions include natural weathering of the earth’s crust, mining, soil
erosion, industrial discharge, urban runoff, sewage effluents and pest or disease
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control agents applied to plants, air pollution fallout, etc. (Ming 2005). Therefore,
there is need to pay more attention toward the treatment of heavy metal ions by
synthesize novel materials. Among the list, metals like iron, cobalt, copper, chro-
mium (IIT), molybdenum, selenium, manganese, and zinc are nutritionally essential,
but they have adverse health effects below or beyond the level required for
optimum nutrition; while metals such as mercury, plutonium, arsenic, cadmium,
silver, strontium, thallium, beryllium, barium, antimony, and lead are toxic in
nature as they have no beneficial effects on human health, and their long time
accumulation can cause serious issues. Among these, arsenic has been found to be a
human carcinogen at extremely low levels of exposure, which should be the major
priority in consideration of regulatory control of human exposure (NAS/NRC
1999). Metals like silicon, nickel, boron, and vanadium are toxic at higher levels
and not known to be essential to human health but may be suspected that these have
some beneficial effects at low levels of exposure.

Metal(loids) and Their Biotoxicity

Mercury

In general, mercury is a neurotoxicant which can cause damage to the nervous
system, brain cells, chronic fatigue, depression, and poor memory and is therefore
toxic for human health (Wojcik et al. 2006; Vas and Monestier 2008). High levels
of mercury exposure may also cause birth defects and permanent brain or kidney
damage. Mercury, in its transformed form named methylmercury, becomes more
noxious. It can easily enter into blood and organs, especially the brain, in this form.
Children have more exposure to the different forms of mercury because intake of
air, water, and food for children per kilogram of body weight is greater than for
adults. Because of these severe health effects of mercury intake, the permissible
limit in drinking water set by EPA and WHO is at very low level, 0.002 mg/L and
0.001 mg/L, respectively (WHO 2004).

Lead and Nickel

As per the Occupational Safety and Health Administration (OSHA) of the United
States Department of Labor, lead exposure causes severe damage to the nervous,
urinary and reproductive systems, which resulted into many forms of health effects,
i.e., loss of appetite, nausea, vomiting, stomach cramps, constipation, difficulty in
sleeping, fatigue, moodiness, headache, joint or muscle aches, anemia, and
decreased sexual drive (ATSDR 2007; Castro-Gonzalez and Méndez-Armenta
2008). The Joint FAO/World Health Organization Expert Committee on Food
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Additives (JECFA) established a provisional tolerable weekly intake (PTWI) for
lead as 0.025 mg/kg body weight (JECFA 2004). The WHO provisional guideline
of 0.01 mg/L is set as the standard for drinking water (WHO 2004). Nickel also if
exceeds from its critical level may bring some serious lung and kidney problems
aside from gastrointestinal distress, pulmonary fibrosis, and skin dermatitis (Borba
et al. 2006).

Cadmium

Cadmium, like zinc, occurs naturally in sulfide ores. Long-term exposure to cad-
mium targeted the kidney the most with other several organs like the liver, lungs,
bones, placenta, brain, and central nervous system (Castro-Gonzalez and Méndez-
Armenta 2008). It is released in the environment from both natural and human
activities, which includes volcanic activity, weathering and erosion, river transport,
tobacco smoking, mining, smelting and refining of nonferrous metals (IPCS 1992;
WHO 2000), fossil fuel combustion, incineration of municipal waste, etc., while
food constitutes the main environmental source of cadmium. Highest cadmium
levels are found in the kidney and liver of mammals and in certain species of
oysters, scallops, mussels, and crustaceans. Too much intake of cadmium causes
disturbances in calcium metabolism, which leads to the softening of the bones and
osteoporosis. The International Agency for Research on Cancer (IARC) has clas-
sified cadmium as carcinogenic to humans (Group 1), after receiving sufficient
evidence for its carcinogenicity in humans (IARC 1993; Straif et al. 2009). The
Joint FAO/WHO has recommended the provisional tolerable weekly intake (PTWI)
as 0.007 mg/kg body weight for cadmium (JECFA 2004). The EPA maximum
contaminant level for cadmium in drinking water is 0.005 mg/L, whereas the WHO
adopted the provisional guideline of 0.003 mg/L (WHO 2004a).

Arsenic

Arsenic is present in environment in different oxidation states (As (V), As (IID),
As (0), and As (—III)) (Cutter 1992). The two predominant oxidation states of
inorganic arsenic, arsenite and arsenate, are very harmful to mankind and plants.
Natural sources of arsenic include volcanism, forest fires, and groundwater. The
mining, smelting, pulp and paper production, glass manufacturing, cement
manufacturing, and the burning of fossil fuels and waste products are also respon-
sible for their production in the environment.

Acute and chronic arsenic exposure from drinking contaminated groundwater
with a high concentration of arsenic of 100 to over 2000 mg/L (ppb) (Tchounwou
et al. 1999) has been reported in Argentina, Bangladesh, India, Mexico, Mongolia,
Thailand, and Taiwan. Long-term exposure to arsenic results in arsenic poisoning,
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especially to those people who live in the areas of high arsenic-concentrated
drinking water (Hopenhayn-Rich et al. 2000; Pi et al. 2000; Berg et al. 2001, Liu
et al. 2002). According to a study by the National Academy of Sciences, arsenic in
drinking water causes lung, skin, kidney, and liver cancer. It also has a negative
impact on the central and peripheral nervous system. To maximize health risk
reduction, the USEPA in 2001 decided to reduce the drinking water maximum
contaminant limit (MCL) to 0.010 mg/L, which is now the same as the WHO
guidelines (USEPA 2005). JECFA established a PTWI for inorganic arsenic as
0.015 mg/kg body weight (FAO/WHO 2005; JECFA 2004). Organoarsenic intakes
of about 0.05 mg/kg body weight/day seemed not to be associated to hazardous
effects (Uneyama et al. 2007).

Copper

Copper is a metallic element that occurs naturally as a free metal, or associated with
other elements in compounds that comprise various minerals. Annually 75,000 tons
of copper is released into the atmosphere, out of which 25% came from natural
sources while the rest from anthropogenic origin. Dissolved copper in water and
food are the most common sources of human exposure. About 40% of dietary
copper comes from yeast breads, white potatoes, tomatoes, cereals, beef, and dried
beans (IOM 2001; Subar et al. 1998). The maximum limit of copper in drinking
water is 0.05 mg/dm® (Fewtrell et al. 1996), because its excessive intake reported
adverse health effects like gastrointestinal distress, nausea, vomiting, and
abdominal pain.

Composite Cation-Exchange Materials in Remediation
of Heavy Metal Ions

Composite lon-Exchange Materials

The conventional heavy metal removal processes have some inherent shortcom-
ings. But in recent years, some new processes such as biosorption, neutralization,
precipitation, ion exchange, adsorption, etc. have been developed and extensively
used for the removal of heavy metal from wastewater. Among them ion exchange is
proved to be the most helpful method in adsorption of metal ions because ion
exchangers have high capacity and specificity for the metal ions, even if found in
low concentrations. The increasing current literatures on ion exchangers show its
great importance as these are providing new opportunities for both chemists and
analysts.
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Many hybrid ion exchangers with conjugated properties of polymer and intrinsic
properties of inorganic exchanger have been introduced. The incorporation of
inorganic matrix into conducting polymers enhances the performance of both the
“host” and the “guest,” thereby leads to interesting concept of physical and chem-
ical properties. These conjugated polymers have attracted attention in both science
and technology and its applications in batteries, molecular electronic devices, light-
emitting diodes (LED), etc. (Salaneck et al. 1993; Skotheim 1986). It can be used as
a sorbent, ion exchanger, photocatalyst, ion-selective membrane electrode, and
antimicrobial agent and also finds a large number of applications in pollution
control and water treatment process (Bushra et al. 2014a, b, c, d; Khan et al.
2014a, b; Shahadat et al. 2014).

Synthesis Strategy

The composite cation-exchange material was synthesized by incorporating the
conducting polymer gel (polyaniline, poly-o-toluidine, etc.) into the inorganic
moiety that followed the method exactly like our previous work (Nabi et al.
2012a, b). As an example, following is one of the synthesis schemes of one of the
composite cation-exchange material (Fig. 1). Moreover, in order for complete
description of composite cation-exchange material, a number of physicochemical
properties and characterizations have to be performed like ion-exchange capacity,
pH titration, chemical and thermal stability, elution behavior, distribution coeffi-
cients (Kd values), structural studies, FTIR, Raman, TGA-DTA, X-ray, SEM,
TEM, and AFM.

Ion-Exchange Capacity

Ion-exchange capacity is determined by using the column method. It is defined as
total number of chemical equivalents available for exchange per some unit weight
and under the specific conditions. It is expressed in terms of milliequivalents/gm of
the exchanger.

pH Titrations

Topp and Pepper method (Topp and Pepper 1949) was used for conducting the pH
titrations of the composite material using alkali or alkaline earth metal chlorides
and their hydroxides in different volume ratios. In general, it is used to determine
the nature of the ionogenic group and the number of replaceable H' ions per
molecule of the composite material.
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Step 1 Synthesis of Polyaniline (PANI)
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Fig.1 Schematic representation of the synthesis scheme of one of the composite cation-exchange
materials

Chemical and Thermal Stability

Chemical stability of the composite material is examined by treating the material
with different inorganic and organic acids. It establishes whether the material can
sustain in a solvent or not. Thermal gravimetric (TG) analysis was useful to
measure the thermal stability.
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Elution Behavior

Elution behavior was performed for the maximum elution of H' ions from the
composite material with optimum concentration of eluent. The concentration of
eluent depends on the nature of ionogenic group present in the material, which in
turn depends upon the pKa values of the acids used in its preparation.

Distribution Coefficients

Distribution coefficients (K4 values) of the metal ions in different solvents can be
determined by batch method. Composite material in H* form mixed with different
metal nitrate solutions in different Erlenmeyer flasks was shaken for 6 h in a
temperature-controlled shaker at 25 + 2 °C to attain equilibrium. The concentration
of metal ion before and after equilibrium was determined by EDTA titrations, and
the values of distribution coefficient were calculated by using the equation:

K milli equivalent of metal ions/g of ion-exchanger _1
d =

milli equivalent of metal ions/mL of solution

I-F % ,
Kd: F XV ngl

where [ is the volume of EDTA used before treatment of metal ion exchanger and
F is the volume of EDTA consumed by metal ion left in solution phase.
When the metal ions (M*" and M>") were treated with composite cation-
exchange material (H" form), the following reactions took place:
2RH" + M*" — RyM*" + 2 H'
3RH + M*" — RyM** + 3H*

where RH™ is cation-exchange material, M*" and M>" are bivalent and trivalent
metal ions, respectively.

Characterizations
Fourier Transform Infrared Spectroscopy (FTIR)
It is a molecular characterization technique, which is used to identify the chemical

bond of molecule by producing an infrared absorption spectrum. This technique
provides a rapid detection of the functional groups present in the material.



304 M.K. Uddin and R. Bushra

Raman Spectroscopy

This spectroscopy provides information about molecular vibrations, used to study
the changes during chemical bonding and vibrational, rotational, and other
low-frequency modes in the composite materials.

X-ray Diffraction

It is a very important structural analytical technique, which is helpful in determin-
ing the arrangement of atoms within a crystal. The peaks in the XRD spectra
provide many information regarding the phase composition, unit cell lattice param-
eters, crystal system, crystallite size, and microstrain.

Thermogravimetric Analysis or Thermal Gravimetric Analysis (TGA)

It is an important technique that finds out any change in the chemical composition
of the material. Simultaneous TGA-DTA/DSC techniques used to measure both
heat flow and weight changes (TGA) in a material with respect to temperature
or time.

Microscopy

Scanning electron microscopy (SEM) is a type of electron microscope in which
high-energy electrons scanned the surface of the material. The technique is used to
find any change in morphology of the material’s sample.

Transmission electron microscopy (TEM) is an analysis method to track particle
size and distribution of the material. It is capable of imaging at a significantly higher
resolution than light microscopes.

Atomic force microscopy (AFM) or scanning force microscopy (SFM) is a
technique used to view three dimensions of the sample surface. It can produce the
surface images of the sample with extremely high magnifications, up to 1000,000X.

Applications
Separations
Separation of Heavy Metal Ions in Synthetic Mixtures

Quantitative separations of some important metal ions can be achieved, by using
column method. In this process, the composite cation-exchange material (1.0 g)
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packed in a glass column should be washed with demineralized water, and then the
targeted metal ions can be passed through it at a maintained flow rate. The process
should be repeated two or three times to ensure the complete adsorption of metal
ions. After that effluent can be collected and titrated against the standard solution of
the disodium salt of EDTA for the complete separation of metal ions.

Separation of Heavy Metal Ions in Real Samples by FAAS

Real water samples from river, canal, sewage water, and tap water and industrial
wastewater samples from lead storage battery and electroplating industries were
collected and filtered through Millipore cellulose membrane filter. To achieve
preconcentration method, the solution of pH 6.0 can be passed through the
exchanger column at a flow rate of 5.0 mL min~'. The adsorbed ions then can be

eluted with 5.0 mL of 2.0 M nitric acid in acetone with a flow rate of 1.0 mL min ™.

Analysis of Heavy Metal Ions Using Membrane Selective Electrodes

Membrane electrodes of composite material with excellent reproducibility and
wide working pH range are also used for the detection and determination of toxic
metal ions, by choosing the method of (Coetzee and Benson 1971). Different
membranes can be prepared by mixing the material with PVC, followed by
dissolving it into various solvents including tetrahydrofuran (THF), which further
followed the pouring into Pyrex glass circles, and then their selectivity was checked
by using mixed solution method (Moody and Thomas 1971) in standard solution.
From the calibration data, the concentration of unknown solution (toxic metals) can
be determined. Potentiometric titrations and instrumental analysis (UV-Vis, HPLC,
etc.) should also be carried out, to ascertain the concentration of chosen pollutant.
The potential of the membrane electrode can be measured at room temperature
(25 + 2 °C) using the digital potentiometer. Following cell assembly can be set up
for the conduction of emf (electromotive force) measurements:

Ag, AgCl | KClI (satd): Sample solution | membrane | 0.1 M M*" | Ag, AgCl

Several studies have been reported the same, which describes in detail the
preparation, characterization, and applications of composite cation-exchange mate-
rial. Some newly composite cation-exchange materials; polyaniline Zr(IV)
molybdophosphate in the analysis of Pb*", Hg*", Cd*", Cr*", and Fe’" from
synthetic and real samples (Khan et al. 2014a, b); poly-o-toluidine Zr(IV)iodate
analyze Zr*" and Cd** (Nabi et al. 2012a, b); polyaniline Ti(IV)As for the
photochemical degradation of industrial dyes (Shahadat et al. 2012); polyaniline
Zr(IV)sulfosalicylate as antimicrobial agent (Nabi et al. 2011a, b); acetonitrile
stannic(IV)selenite in the quantitative binary separations of Pb>™—Th*", Ni**—Th**,
Ni*"—Zn*", Cu®"—Ce*", APT-Bi**, and AI**—Zn*" (Nabi et al. 201 1a); and acry-
lonitrile stannic(IV) tungstate for heavy toxic metal ions released from wastewater
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stream (Nabi et al. 2009) are synthesized recently and utilized in the treatment of
environmental pollutants. Polyaniline Ti(IV) arsenophosphate and poly-o-toluidine
Zr(IV) tungstate (Bushra et al. 2012; Bushra 2012) are also recently synthesized by
Bushra et al. These composite cation-exchange materials showed selective behavior
toward heavy metal ions from tap water, electroplating wastewater samples,
and organic pollutants. Besides its use as ion exchanger, they also exhibited the
characteristics of conducting material, antimicrobial agent, as well as a photocatalyst
for the degradation of textile industry dye. Inamuddin et al. synthesized poly-o-
methoxyaniline Zr(1 V) molybdate (Inamuddin 2010) for cadmium determination
and also determined the ion-exchange kinetic parameters for the poly-o-
methoxyaniline Zr(IV) molybdate and polyaniline Ce(IV) molybdate composite cat-
ion exchanger (Al-Othman and Inamuddin 201 1a, b). Polystyrene based strongly on
basic anion-exchange resin De-acidity FF-IP and utilized in the elimination of mala-
thion from aqueous solution (Naushad et al. 2013). The practical applicability of
cellulose acetate Zr (IV) molybdophosphate synthesized by Naushad et al. was
demonstrated in the quantitative determination and separation of Ca®" and Pb*"
from commercially available vitamin and mineral formulation (Nabi and Naushad
2008; Al-Othman et al. 2011c). Khan et al. reported the use of some composite
cation-exchange material for the selective separation of Pb®", Cd**, Hg>", and
pesticides (Khan et al. 1980, 1999, 2002).

Hybrid material styrene-supported Zr(IV) phosphate, polymethylmethacrylate,
polyacrylonitrile, styrene- and pectin-based Ce(IV) phosphate, Th(IV) phosphate,
and Zr(IV) phosphate have showed numerous analytical applications (Varshney
et al. 2003; Varshney and Pandith 1996).

Adsorption Studies

Adsorption of Organic Pollutants Using Composite
Cation-Exchange Material

In this chapter, a compact research work was also done to explore the adsorption
properties of composite material toward phenol. The ability of composite material
to remove phenol was tested using batch assays. All the experiments were
conducted in a series of 250 ml flasks by mixing ion exchanger with aqueous
phenol solutions. The parameters studied were pH (2-10), contact time
(10-240 min), and various initial phenol concentrations (10—100 mg/L) at labora-
tory ambient temperature (approximately 35 £ 3 °C) in 50 ml pH-adjusted solu-
tions. The amount of final residual concentration of phenol was determined at
270 nm, by means of a UV-vis spectrophotometer.
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Fig. 2 Effect of time and initial concentration (a) and effect of pH (b)

Effect of Contact Time and Initial Concentration

The effect of contact time and concentration on the adsorption of phenol are shown
in Fig. 2a. The adsorption rate of organic pollutants by the adsorbents was relatively
rapid, and the adsorption equilibrium could reach in less than 24 h (Lin et al. 2009).
Figure 2a shows the effect of contact time and initial concentration on the adsorp-
tion of the phenol on composite material. The adsorption equilibrium of phenol was
achieved maximum after 2 h, and no remarkable changes were observed for longer
contact time, which indicated that the equilibrium time and adsorption rate of
phenol on composite material was rapid than that of some other adsorbents (Lin
et al. 2009).

The mechanism of the phenol uptake generally depends on the initial concen-
tration as it provides an important driving force to overcome all mass transfer
limitations of phenol between the aqueous and solid phases. It was clear from
Fig. 2a that the ¢, values increased with the increase in the initial phenol concen-
trations. At low concentration, the specific sites might be responsible for the
adsorption, while in case of increasing concentrations, these specific sites are
saturated (Khan et al. 2014a, b). It has been found that the adsorption was concen-
tration dependent and increased with increase in initial phenol concentrations. The
equilibrium adsorption capacity at 10, 30, 60, and 100 mg/L initial phenol concen-
trations were found to be 0.70, 2.95, 3.85, and 9.40 mg/g, respectively.

Effect of pH

The solution pH is the useful parameter, which usually imposes a great influence on
the adsorption process of the composite material, so the effect of pH was studied in
different initial pH ranging from 2.0-10. Figure 2b displays the adsorption capacity
of the composite material for phenol, with different pH values. It can be observed
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from Fig. 2b that the adsorption capacity of phenol increased from pH 2.0 to pH 6.0
and decreased from pH 6.0 to pH 10.0. The largest difference in the adsorption
capacity between phenols was obtained at pH 6.0, as at this pH, the adsorption
capacity was highest. A slight decrease in adsorption capacity was observed from
pH 6.0 and may be attributed to formation of phenolate anions. At pH 2.0, the
surface of the adsorbent would be protonated and led to donor-acceptor interactions
between the aromatic rings of the phenol (Khan et al. 2014a, b), while at high pH
values (pH 10 to 12) of alkalinity, the phenol would be ionized in solution, and this
led to increase the ionic strength (Khan et al. 2014a, b). It is expected that the
selective adsorption and separation of phenol can be achieved at pH 6.0 to 7.0 if
they are in a competitive environment.

Composite ion-exchange materials can be applied in a number of disciplines
including conducting adhesives, gas sensors, optoelectronics, electrostatic mate-
rials, electromagnetic shielding, printed circuit boards, artificial nerves, aircraft
structures, electromechanical actuators, drug release systems, catalyst, light-
emitting diodes and solar cells, corrosion inhibitors, charge dissipaters, metalliza-
tion, electrically conductive textiles, chemical and biological sensors, separation
and preconcentration of metal ions, photovoltaics, electroplating, photocatalysis,
adhesive, fillers, Schottky diodes, solid lubricants, and rechargeable batteries.

Conclusions

This chapter discussed about the synthesis, characterization, and applications of
PANI-based composite cation-exchange material. The composite material has been
synthesized via sol-gel route and characterized based on FTIR, TGA, XRD, and
SEM analysis. The material can be explored further for the removal and recovery of
important toxic ions from industrial effluents. Their adsorption properties toward
phenol have also been explored using batch process.
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