Chapter 10
Nanotechnology in Contemporary Mine
Water Issues
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Shine Xu Zhang, and Martin Mkandawire

Abstract Nanotechnology holds great promise in advancing affordable mine water
treatment and remediation technologies by improving treatment efficiency and
performance. Further, it promises to overcome major challenges faced by existing
treatment technologies through provision of highly efficient, modular, and
multifunctional processes facilitating new treatment capabilities. Such technologies
could further allow economic utilization of mine water as a source of commercially
viable products. This chapter provides an overview of recent and future develop-
ments in nanotechnology that would benefit contemporary mine water treatment
regimes, while investigating novel abate approaches possible through the use of
nanotechnology. The chapter discusses candidate nanomaterials, their advantages
and limitations relative to existing processes, and the unique properties and surface-
active mechanisms that enable their adoption in mine water treatment applications.

10.1 Introduction

Natural resources derived from the Earth’s lithosphere, hydrosphere, biosphere, and
atmosphere are the key building blocks of a sustainable human society. Histori-
cally, mining affects the surrounding environment during both active operation and

K. Oakes « Z. Shan « R. Kaliaperumal « M. Mkandawire (<)

Verschuren Centre for Sustainability in Energy and the Environment, Cape Breton University,
1250 Grand Lake Road, Sydney, NS, Canada B1P 6 L2

e-mail: martin_mkandawire@cbu.ca

S.X. Zhang
Verschuren Centre for Sustainability in Energy and the Environment, Cape Breton University,
1250 Grand Lake Road, Sydney, NS, Canada B1P 6 L2

Waterloo Institute of Nanotechnology and Department of Biology, University of Waterloo,
200 University Avenue West, Waterloo, ON, Canada N2L 3G1

A. Hu and A. Apblett (eds.), Nanotechnology for Water Treatment 307
and Purification, Lecture Notes in Nanoscale Science and Technology 22,
DOI 10.1007/978-3-319-06578-6_10, © Springer International Publishing Switzerland 2014


mailto:martin_mkandawire@cbu.ca

308 K. Oakes et al.

for extended periods following mine closure. Among the myriad of environmental
impacts associated with mining, including disturbed landscapes, erosion, formation
of sinkholes, depletion and contamination of water sources, and soil contamination,
the long-term production of mine water poses one of the greatest concerns. Mine
water refers to any surface or groundwater present at the mine site, which has been
altered due to mining activities or influenced by mining-related processes such as
milling, extraction, or percolation over mine waste. Mine water may be produced
by contact with materials from long-closed mine sites, or it may refer to water
produced during active mining by dewatering processes.

Contemporary mine water issues range from depletion and/or contamination of
water resources during active mining, to acid mine drainage (AMD) and leachate
from abandoned workings and waste mine rock heaps, to management of tailings
post-mine closure. Notably, most closed mines are sources of multiple pollutants
including inorganic metals and organic chemicals and acids used to extract the
minerals. Despite the high risks they pose, many mine water discharges are
insufficiently treated, if treated at all, due to the substantial number of sites on
properties where mines closed without sufficient funds set aside during operation to
address the high (and often on-going) cost of remediation. However, recent
advances in nanotechnology offer opportunities to develop next-generation mine
water remediation and management technologies, which promise affordable treat-
ments offering improved performance. Nanotechnology may further overcome
traditional challenges faced by existing treatment technologies through provision
of highly efficient, modular, and multifunctional processes with the potential for
economic utilization of mine water as source of commercially viable products.

This chapter provides an overview of recent and future developments in nano-
technology that would address contemporary mine water issues, while raising
potential concerns that may accompany the non-precautious use of nanotechnology.
The discussion covers candidate nanomaterials, properties, and mechanisms
enabling the applications, advantages, and limitations relative to existing processes,
and barriers and research needs for commercialization. By tracing these technolog-
ical advances to the physicochemical properties of nanomaterials, the present
chapter outlines the opportunities and limitations to further capitalize on these
unique materials for sustainable mine water remediation and management.

The chapter is presented through several sentinel topics; beginning with a
perspective on contemporary mine water issues through the lens of challenges
faced both during active mining and post-closure. Types of mine water, as well as
issues associated with mine water discharge, are next addressed, together with
current technologies used to treat the contaminated waters. This is followed by an
analysis of the current state of nanotechnology as applied to contemporary mine
water issues, potential future applications, and an overview of potential issues
associated with the application of nanotechnology to mine waters. The chapter
will explore these topics from a broad-based, multidisciplinary perspective relevant
for both engineers and scientists outside the field, and for students at both the
undergraduate and graduate level.
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10.2 Mining and the Mine Life Cycle

To understand contemporary mine water issues, an understanding of a mines’ life
cycle, including the mining techniques employed, are critical. While exact pro-
cesses differ by mineral, depth, region, and available resources, the fundamentals
are similar. They begin with the discovery of a commercially viable ore body,
leading to development and extraction of minerals during the life of the mine,
concluding with the closure of the mine, after which the site is either restored to its
natural state, or reclaimed to a condition suitable for other land uses. While the
discovery phase is a mixture of geological knowledge, exploratory drilling, and
luck, the extraction of mineral resources is constrained to two common mining
techniques, namely excavation and in situ leaching [1].

10.2.1 Excavation and Mining Techniques

Specific excavation techniques are used in surface or sub-surface mining appli-
cations, depending on the depth and quantity at which the mineral resource is
found [2, 3]. Surface mining involves removing surface vegetation and overlying
layers of bedrock to reach the ore deposits [4, 3]. Specific surface mining
techniques include: (1) open pit mining, where relatively shallow ore is recovered
from expansive open pits excavated into the ground; (2) quarrying of aggregate
materials, from a usually shallow open pit mine; (3) strip mining which consists of
stripping surface layers to reveal ore/seams underneath, and (4) mountaintop
removal, commonly associated with coal mining, which involves removing the
top of a mountain to access ore deposits at depth [3—6]. Conversely, sub-surface
mining involves the digging of tunnels or shafts into the earth, often but not
necessarily at significant depths, to access ore deposits. The targeted mineral-
bearing ore and non-mineral-bearing waste rock are brought to the surface
through the tunnels and shafts. Sub-surface mining can be further classified by
the type of access shafts used, as well as the extraction method or technique used
to reach the mineral deposit. For instance, drift mining utilizes horizontal access
tunnels, while slope mining uses diagonally sloping access shafts, and shaft
mining consists of vertical access shafts. Following excavation, the ore-bearing
rocks are crushed and pulverized to facilitate mineral extraction. The target
resource of interest is then recovered singularly, or with other minerals through
combinations of several mechanical and/or chemical procedures [7—10]. Most
metals are present in ores as oxides or sulphides, necessitating their reduction
to their metallic forms via chemical means such as smelting or electrolytic
reduction.
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10.2.2 In Situ Leaching Technique

In situ leaching involves the drilling of holes into the ore deposit, with explosive or
hydraulic fracturing potentially used to create openings in the deposit for a leaching
solution to penetrate [1]. As the leaching solution is pumped into the deposit, it
dissolves the target minerals and the solution carrying the dissolved ore content is
pumped to the surface and processed [11]. In situ leaching allows for the extraction
of metals and salts from an ore body without blasting, removing overburden and
waste rock, or construction of underground mine infrastructure.

10.3 Mine Water and Contemporary Issues

For both excavative and in situ techniques, water is a major concern during both the
active mining and post-closure periods. During active mining, both excavative and
in situ techniques utilize dewatering processes, but excavative approaches typically
produce more waste water as ore processing requires considerable quantities of
water during washing and mineral extraction [5, 6]. Waste rock and tailing piles, if
exposed to water, can leach contaminants. Mine flooding is common once the
dewatering processes conclude with the cessation of active mining, leading to
formation of underground mine water pools which remain a significant contempo-
rary environmental issue [12]. With open pit mining, pit lakes may form by precip-
itation, surface runoff, or groundwater filling the open pit upon the completion of
excavation activities [13, 14].

10.3.1 Classification of Mine Waters

Mine waters can be classified into numerous categories, varying in their quality,
pH, and potential for environmental impacts. The definition of what actually
constitutes mine water is still a major point of contention within scientific and
engineering conversations and literature. Consequently, the term “mine water” has
been used interchangeably with other terms like “mine drainage” and “mine pools”
[15, 16]. In part, this confusion stems from the absence of a recognized body
sanctioning terminology; so, the definition of mine water, as used in this chapter,
will broadly constitute any water altered due to mining activities, or influenced by
mining-related processes such as milling, extraction, or percolation over mine
waste, as well as groundwater flooding active mine workings and subsequently
de-watered [16, 17]. Consequently, “mine water” will generally refer to any surface
or groundwater present at a mine site, while “mining water” will specifically refer
to water that has come into contact with any mine workings. Within this framework,
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mine water is the all-encompassing term that includes mining water [2, 17]. Mining
water includes mill water, which refers to water used during the crushing and
grinding of ore, and may also contain dissolved minerals or metals. Process
water, another mining water used in the chemical extraction of metals, similarly
frequently contains high burdens of dissolved metals and other chemicals.
Leachate, water that has trickled through solid mine wastes or tailings, process
chemicals, or metals. When the mining, mill, or process water is discharged to the
surface, often after being treated, it is known as effluent. Ideally, all mine water
should be collected and stored in tailings ponds before being treated and released to
surface water, if necessary [15]. Mine drainage includes water contaminated by
interactions with waste rock, within impoundments, or through interactions with
geological formations in water-filled abandoned mine shafts. Mine drainage can be
classified by its pH as either acid or neutral mine drainage, both containing metals/
constituents at relatively high concentrations [15, 16].

10.3.2 Mine Water Issues

There are five outstanding mine water issues, mainly related to pollution
monitoring and control that may be successfully addressed by the application of
nanotechnology.

10.3.2.1 Acid Mine Drainage

AMD usually forms when sulphide minerals in rocks are exposed to oxidizing
conditions during or after mining activities, leading to the production of sulphuric
acid contaminated water known as acid rock drainage (ARD), which contributes to
the acidity of interacting waters [18]. While ARD formation is a naturally occur
process, it is markedly accelerated when sulphide-containing rocks are exposed to
air and water through construction of shafts, tunnels, and collieries that maintain
oxidizing conditions over greater geolithic surfaces leading to production of AMD
[18, 19]. In most cases, AMD formation requires the presence of iron sulphides such
as pyrite and marcasite (FeS,), which are common in coal regions, but may also
be formed by chalcopyrite (CuFeS,), covellite (CuS), and arsenopyrite (FeAsS)
(also see Table 10.1).

The concentration and composition of metals in AMD is a function of both the
type and amount of sulphide mineral, and the presence or absence of buffering
alkaline materials, which regulate acidity. The oxidation of Fe disulphides and
subsequent conversion to acid occur through several reactions. The first chemical
process, iron sulphide oxidation, releases ferrous iron (Fe®™), sulphate (SO4%),
and protons, as summarized in Eq. (10.1):
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Table 10.1 Some important metal-sulphide minerals responsible for AMD at mining sites

Chemical formula Mineral Chemical formula Mineral
FeS, Pyrite MoS, Molybdenite
FeS, Marcasite NiS Millerite
Fe,Sy Pyrrhotite PbS Galena

Cu,S Chalcocite ZnS Sphalerite
CuS Covellite FeAsS Arsenopyrite
CuFeS, Chalcopyrite CusFeS, Bornite

Source: Adapted from Ref. [20]

FeS, + 7,0, + H,0 = Fe?™ + 2S04 + 2H" (10.1)

The resulting ferrous iron can further oxidize to ferric iron (Fe**), according
to Eq. (10.2):

2Fe’t + 140, + H = Fe** + %H,0 (10.2)

Ferric iron can then either be hydrolyzed to ferric hydroxide, Fe(OH);, increas-
ing H* acidity (Eq. 10.3), or it can directly attack pyrite as a catalyst, generating
much greater amounts of ferrous iron, sulphate, and acidity (Eq. 10.4).

Fe’" + 3H,0 = Fe(OH), + 3H" (10.3)

FeS, + 14Fe*" 4 8H,0 = 15Fe’" +28S04% + 16H" (10.4)

The generation of AMD would slow or cease when any of the constituent
processes are inhibited as these steps are sequential and interdependent [21, 22].
Obviously, with removal of two of the three principal reactants, air and water from
the system, pyrite would not be oxidized. The rate of pyrite oxidation depends on
numerous variables such as the reactive surface area of pyrite, form of pyritic sulphur,
oxygen concentrations, solution pH, catalytic agents, flushing frequencies, and the
presence of Fe-oxidizing bacteria (FeOB). Under most conditions, the oxidation of
Fe* to Fe™* (Eq. 10.2) is the rate-limiting pyrite oxidation step as the conversion
of ferrous iron to ferric iron is slow at pH values below 5 under abiotic conditions
[21, 23]. However, FeOB, principally Thiobacillus sp., greatly accelerate the reaction,
and are consequently critical regulators of AMD generation. Availability of oxygen
may be the rate-limiting step in AMD formation within geological materials of
low porosity and permeability, while in porous and permeable formations, especially
those composed of coarse sandstone, air convection driven by the heat generated by
pyrite oxidation provide high amounts of oxygen deep into the rocks, ensuring an
oxidizing environment.
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10.3.2.2 Alkaline Mine Drainage

Of perhaps less concern, but closely related to AMD is neutral or alkaline mine
drainage (NAMD). NAMD has a pH of 6.0 or above, as a reflection of local alkalinity
or proton buffering capacity attributable to the local presence of hydroxyl ion (OH"),
carbonate, silicate, borate, organic ligands, phosphate, and ammonia within the mine
drainage [16, 24]. The principal source of alkalinity in mine water is dissolved
carbonaceous compounds, which exist in solution as bicarbonate (HCO; ™) or carbon-
ate (CO5”"). The quality of mine water emanating from underground mines or
backfills of surface mines is consequently dependent on both the acidic (i.e. sulphide)
and alkaline (i.e. carbonate) materials contained in the disturbed geological material.
It follows that NAMD may result from any combination of relatively low levels of
sulphide minerals, a deoxygenated but sulphide-rich environment, the presence
of monosulphides rather than pyrite or marcasite, a large pyrite grain-size limiting
oxidation rate, the presence of highly reducing or alkaline influent water, neutraliza-
tion of acid by carbonate or basic silicate minerals, and/or the neutralization of acid by
naturally highly alkaline groundwater [25]. Other reactions that contribute to the
formation of NAMD include the oxidation of other sulphides, dissolution of host
rock minerals, precipitation and dissolution of iron hydroxide and hydroxysulphate,
co-precipitation and adsorption of dissolved metals, precipitation and dissolution
of iron sulphate, gypsum precipitation and dissolution, and CO, degassing [26].
Mine waters that contain alkalinity can also be contaminated with divalent metal
ions including ferrous iron and manganese. None are contaminated with significant
levels of dissolved ferric iron or aluminium because the solubility of these metal
hydroxides is low in mine waters with pH values greater than 5.0.

10.3.2.3 Toxic Metal Contamination and Leaching

Both surface and underground as well as in situ leach mining approaches vary
greatly but share risks for environmental contamination with toxic metals, metal-
loids, and radionuclides. Waste rock, common to the first two extraction techniques,
accumulate in large quantities under fairly oxidizing conditions associated with
surface storage in large piles, and often contain acid-generating sulphides, metals,
and other contaminants. The waste rock and the exposed bedrock walls from which
ore is excavated are the sources of most of the metal pollution. Toxic metal and
metalloids such as arsenic, cobalt, copper, cadmium, lead, silver, iron, chromium,
manganese, mercury, molybdenum, nickel, lead, selenium, vanadium and zinc as
well as some radionuclides are liberated and move into mine water when excavated
rock exposed in an underground mine come in contact with water [2, 27-31].
In open pit mines, new metals are in continuous contact with the surface air and
water, and after mine closure, the metals continue to dissolve in the pit lake waters.
With conventional extraction techniques, considerable quantities of tailings are gen-
erated, as the percentage of extractable material in ore rocks is usually very low.
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For instance, high-grade uranium ore contains a maximum of 0.07 % extractable
uranium [32]. As a result, uranium mining and processing inexorably leads to masses
of geological materials, which are often surface stored long-term as mountains of
waste. From these heaps, metals are leached out and carried downstream as water
washes over the rock surface or seep through waste rock piles and tailings. Although
metals can be mobilized at neutral pH, leaching is accelerated under low pH
conditions, including those created by AMD.

Tailings also represent a major source of metal contamination of waterways.
After the waste rock is removed and the ore is excavated, it is then processed to
separate the target mineral from the valueless portion; the remaining ore becoming
tailings. Mine tailings often contain the same toxic metals and acid-forming
minerals that waste rock does. Tailings can also contain chemical agents used to
process the ores, such as cyanide or sulphuric acid. With the in situ leaching
technique, it is usually impossible to recover all the leaching solution from the
ground. In most cases considerable volumes remain underground and continue
dissolving rocks and releasing toxic metals and radionuclides into the ground that
can have impacts for many generations after the active mining ceased.

10.3.2.4 Radioactive Contamination

A common misconception is that radioactive contamination is unique to uranium
producing mines, when in fact, the potential to generate radioactive mine water
is equally high at any abandoned mine as natural radioactivity is common in the
geological materials of our planet. Radioactivity indicates that matter, often known
as radionuclides, is decaying in order to reach, according to the law of physics, a
more energetically stable state. As materials decay, they emit radiation—emission
of gamma ray(s) or subatomic particles such as alpha or beta particles—which
disintegrate entirely over short or long intervals (measured in seconds, years, or
millennia). Although most mine water emits insignificant levels of gamma radiation
[33, 34], the presence of short-lived alpha particles or radon emitted as a decay
product of readily soluble isotopes of uranium and radium can pose a
significant risk.

There are over 1,500 different radionuclides, with potassium (4OK) responsible
for the highest radioactivity and being the most predominant radionuclide in soil
and rock material [35]. However, more radioactive elements such as radium and
radon in the ore arise from the radioactive decay of uranium over hundreds of
millions of years. Most radioactive mine water, from both ground and open
pit mining, results from the solubilization of radionuclide-containing minerals.
Several studies have shown radionuclide contamination in coal mining is usually
attributed to secondary mineralization of uranium with coal development [36].
Similarly, radioactivity has been observed in iron and phosphate due to minerali-
zation processes started with localization of uranium and related nuclides
co-precipitated with either iron and/or phosphorus [10, 37-40].
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10.3.2.5 Processing Chemicals Contamination

Process chemical contamination occurs when chemical agents (such as cyanide or
sulphuric acid) used by mining companies to separate the target mineral from the
ore spill, leak, or leach from the mine and processing site.

10.4 State of Nanotechnology as Applied
to Mine Water Issues

Advances in nanotechnology are enabling development of more efficient and cost-
effective waste treatment and environmental remediation technologies. However,
application of nanotechnology to mine water remediation, just as to mineral
discovery, mining, extraction, and processing, has so far received little attention.
To date, most applications of nanotechnology in mine water remediation have
essentially followed the general application of nanomaterials in wastewater treat-
ment and water purification. Most research in this area, especially that pertaining to
mine water issues, has been performed in a small-scale laboratory context, with
large-scale implementation of nanotechnology by the mining industry expected to
take a few more decades.

10.4.1 Strategies in Water Treatment and Remediation

Some nanotechnology applications designed for wastewater treatment and water
purification may be used in mine water treatment and remediation including
nanofiltration, nanocatalysis, nanomagnetism, nanosensors, nanoextraction, and
disinfection. Nanofiltration involves development of nanomaterial-enhanced mem-
branes that mechanically exclude contaminating substances, thereby removing
pollutants from water. Such filters and membranes are made from a variety of
nanomaterials including carbon nanotubes, nanoporous ceramics (clays),
dendrimers, zeolites, nanofibres, and nanosponges. Multi-tasking filtration systems
can detect, separate out, and/or detoxify mixtures of contaminants. A key advance-
ment is the development of nanowire membranes with tuneable wettability ranging
from superhydrophobic to superhydrophilic, which have high potential as a clean-
up media [41-43]. Further, dendritic nanomaterials, highly branched nanoscale
polymers, have been successfully employed to “encapsulate” environmental pol-
lutants. Dendritic nanomaterials are often recyclable, water-soluble, and have
demonstrated great potential for removing inorganic pollutants, heavy metals,
biological, and radiological compounds [44, 45]. During the last decade, significant
advances have been made in the development of nanoscale supramolecular hosts
that can serve as high capacity, selective, and recyclable ligands and sorbents for
extracting valuable metal ions from artificially synthesized mine water based on
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solutions and mixtures [44, 46—52]. For instance, dendrimer-based chelating agents
and separation systems have been developed to recover valuable metal ions
from mine water, such as Cu(Il), Ni(Il), Zn(II), Fe(Ill), Co(II), Pd(II), Pt(II),
Ag(D), Au(l), Gd(III), and U(VI). Similarly, there have been advances in develop-
ment of nanosorbents based on self-assembled monolayers on mesoporous supports
for recovering a number metal ions, including most of those mentioned above.

Nanocatalysis, which utilizes nanoparticles with catalytic properties to chemically
degrade pollutants, is a promising approach for treating waterborne contaminants
present at very low levels. Magnetic nanoparticles have large surface areas to mass
ratios, and easily bind with contaminants such as arsenic, AMD constituents, and oils,
and following complexation, are easily removed from solution using a magnet,
making them an appealing solution for mine water treatment [53-56]. Another
example is nanoscale zero-valent iron (NZVI) particles, which are very efficient
redox-active media for the degradation of organic contaminants, and can be applied
to the treatment of AMD and other mine processing contaminants [53-57].

10.4.2 Detection and Monitoring

There have also been recent advances utilizing nanotechnology to develop small,
portable sensors with enhanced capabilities for detecting trace biological and chem-
ical contaminants in environmental matrices, including water. Nanotechnology-
enabled sensors are enabling rapid and accurate detection of harmful compounds by
exploiting a variety of sensing and detection modalities, such as chemical (e.g.
molecular recognition), optical (e.g. fluorescence), and mechanical (e.g. resonance).
Potential applications of engineered nanomaterials for mine water monitoring include
detection of various compounds in gaseous, aqueous, or soil matrices; sampling and
detecting mine water pollutants accumulated within biological systems (cells, organs,
tissues, etc.), and monitoring of physical parameters (pressure, temperature, distance,
etc.). To date, many excellent publications have been produced to address such
topics as “Environmental sensors” or “Nanotechnology for environmental monitor-
ing” [58-60], of which most emphasized the design, construction, and operational
mechanisms of the nanostructure-based sensor, but very few focused on specific target
analytes, especially those heavy metals species such as (Hg, As, Mn, Pb, Cd, Ni, Zn,
Cu, Cr, U, Ra) and polycyclic aromatic hydrocarbons (PAHs) found in mine water.

10.5 Applicable Nanotechniques in Mine Water Issues

10.5.1 Detection and Monitoring Techniques

Monitoring mine water pollution with expensive and sophisticated instrumentation
such as atomic absorption spectroscopy (AAS), inductively coupled plasma-
mass spectrometry (ICP-MS), mass spectroscopy (MS), and X-ray fluorescence
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Fig. 10.1 Comparison of conventional (a) and sensing technology (b) processes in pollution
detection and monitoring. In (a), the process has five steps, each having potential sources of error
due to human and instrumentation factors; while in (b) the process is greatly simplified, reducing
sources of errors while being relatively inexpensive

spectroscopy (R-FS) is still the standard approach. However, these instrumentally
intensive methods only measure total analyte concentrations in environmental
samples, but provide no information on speciation. Further, these instruments
often require intense sample preparation efforts. In short, the complexity of current
instrumental approaches introduces many potential sources of error, and the
expenses associated with monitoring mine water pollution preclude its application
in many developing economies. Consequently, the availability of simple, portable,
and affordable devices capable of on-site monitoring would be a critical advance in
the monitoring of mine water pollution (Fig. 10.1). There are two approaches to
develop on-site detection and monitoring apparatus; the first is simply to miniatur-
ize current laboratory instrumentation (i.e. developing miniaturized gas- or liquid-
chromatography/mass spectrometry instrumentation), the second is to develop
devices such as micro- or nanosensors or sensor arrays. The idea underlying the
former approach can be described as “top-down”, while the latter is a “bottom-up”
approach. Nanotechnology and nano-/micro-engineering methodologies are essen-
tial for both approaches, but in this chapter, we will focus on the development of
nano-/micro-sensor technology for environmental monitoring.

The merit of the nanotechnology sensor-based approach and device develop-
ment to monitor mine water pollutants can be demonstrated through recent progress
made in this field. The following is not an exhaustive summary of all publications
generated in this field; rather, we selected some published data since 2010 to
exemplify the trend in the development of nanotech-based environmental sensing,
updating the excellent review by Namour et al. [61].



318 K. Oakes et al.

The nanosensor technology normally involves nanostructured materials in either
the recognition element or the signal-transducing element, so as to improve the
performance of the sensor in terms of sensitivity, selectivity, reproducibility, porta-
bility (miniaturization), or throughput. When biomacromolecules or structures are
incorporated into the recognition element for target recognition, the sensor is called
a biosensor. Depending on the signal transduction mechanism [62], nanosensors can
be categorized as optical sensors (i.e. fluorescent, colorimetric, SERS) or electro-
chemical sensors. Based on their configuration, there are simple nanoparticle-based
sensors, nanomaterial-modified sensors/devices, and microfluidic sensors. We will
briefly introduce the mechanisms of several representative nano-sensors and sensing
devices in the following sections.

10.5.1.1 Optical Nanosensors

Optical nanosensors convert the recognition and binding of target analytes to an
optical change in intensity, lifetime, fluorescence anisotropy, colour based on shift
of light absorbance, or Raman Spectrum. Of these, colorimetric sensors are most
desirable for on-site environmental monitoring due to their operational simplicity
and convenience, as normally no power supply or other instruments are needed.
While colorimetric sensors can detect analyte presence with the naked eye, instru-
ments may be necessary to obtain more accurate quantification. In many cases,
smartphones incorporating a digital camera could collect the data (colour or colour
change) and send to the lab via wireless communication for accurate quantification.
To construct colorimetric nanosensors, gold nanoparticles (AuNPs) serve as an
excellent signal-transducing element owning to their unique optical properties. Due
to the plasmonic effect, AuNPs (d > 3.5 nm) show specific absorbance dependent
on inter-particle proximity. For example, 13 nm-sized monodispersed AuNPs in
aqueous solution appear red in colour, but change to purple or blue due to shifts
in surface plasmon resonance (SPR) peak in the case of AuNP aggregation. Herein,
the aggregation of AuNPs could be induced by different targets when AuNPs are
functionalized with the specific receptor (ligand) for a given analyte of interest,
which forms the basis for the sensor design.

For heavy metal detection, the analyte recognition element immobilized on the
AuNP surface is normally a chelating ligand that can specifically bind to the heavy
metal ions. The red-to-blue colour change results from metal ion-induced AuNP
aggregation by forming multidentate inter-particle complexes (Fig. 10.2) [63].
To date, small molecules [such as 11-mercaptoundecanoic acid (MUA) (for Pb**,
Cd**, and Hg®"), carboxylate, 15-crown-5 (for Pb**), cysteine (for Cu®"),
5,5'-dithiobis (2-nitrobenzoic acid) (for Cr’*), quaternary ammonium (for Hg*"),
tetramethylmalonamide (for Ln**)], and biopolymer molecules [such as peptide (for
Hg?"), pentapeptide (CALNN, for AI**), single-stranded DNA] have been used as
analyte recognizers on AuNP.

It is worth noting that single-stranded DNA (ssDNA) has been established as a
powerful and versatile functional material serving as a recognition element for
biosensor design [64]. The discovery of DNA aptamers [65], synthesized ssDNA
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individual nanoparticle ion-mediated assembly
(red) (blue)

Fig. 10.2 Schematic of colorimetric sensing of metal ions (red-to-blue) using AuNPs
functionalized with ligands. The ligand may be chelating molecules, peptides, or DNA strands.
Adapted from Ref. [63]

that can specifically bind to a wide variety of metal ions or organic molecules or
structures (similar to an antibody, but more chemically stable), paves the way for
widespread use of ssDNA as a binding ligand for various targets including heavy
metal ions. For example, the T-Hg?*-T coordination chemistry has been widely
employed to design DNA probes for sensor design [66]. In addition, DNAzyme, the
catalytic DNA, has been incorporated into sensor design for signal-transducing
[67-69]. For example, Pb>* and UO,** have been detected with the DNAzyme-
based colorimetric sensors (blue-to-red transition), with excellent specificity
against other metal ions such as Ca>*, Co®*, Ni**, and Cd*".

Nanomaterials such as AuNP, carbon nanotube, graphene, and graphene oxide
are efficient fluorescence quenchers, while other nanoparticles such as inorganic
quantum dots (QDs), carbon dots, nanoclusters, and up-conversion luminescent
nanoparticles have been emerging as alternative fluorophores due to their improved
optical properties, low background, multiple colours, and high photostability
and brightness (quantum efficiency). As such, these nanomaterials are widely
employed to construct fluorescent sensors, even for in vivo analysis. When design-
ing fluorescent sensors with nanomaterials, the main relevant mechanisms are
either “Forster resonance energy transfer (FRET)” or nanometal surface energy
transfer (NSET) [70-72].

For example, Li et al. reported a DNA-directed QD-DNA—AuNP sensor for Hg**
detection [72]. As shown in Fig. 10.3, QDs and AuNPs were functionalized with two
complimentary oligonucleotide strands, each containing TTT as the recognition
element for Hg** (based on T-Hg**-T coordination chemistry). The mixture of
these two functionalized nanoparticles is fluorescent, as the proximity of AuNPs
to QDs is not close enough to quench the fluorescence of the QDs. However, when
the water sample containing Hg?* ions were introduced into the fluorescent mixture,
Hg?" ions can link together the DNA strands on the AuNPs and QDs to form a stable
duplex linking the AuNPs and QDs, which results in an energy transfer
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Fig. 10.3 The scheme of Hg>* detection based on QD-DNA-AuNP sensor [72]

that quenches the QDs fluorescence. This sensor showed excellent sensitivity
(LOD of 0.4 and 1.2 ppb Hg”* in buffer solution and in river water, respectively)
and specificity (Fig. 10.3).

In another example, graphene oxide (GO) was used as the fluorescence quencher
[73]. In this case, the underlying sensor mechanism is the much lower affinity
double-stranded DNA (duplex) demonstrates for GO than is displayed by ssDNAs.
As shown in Fig. 10.4, a sensing system containing salt, fluorescein-labelled
Al15 (FAM-A15), T15, and GO, is fluorescent since FAM-A15 will bind to
FAM-T15 to form a duplex, and is thus not likely to be adsorbed and quenched
by GO. However, when a Hg®*-containing sample was introduced, the Hg**
induced T15 strands to form a T15/T15 duplex based on T-Hg**-T coordination.
This leaves FAM-A1S5 single stranded, which was then adsorbed onto GO to quench
the fluorescence. This sensor also showed good sensitivity (LOD in buffer: 0.5 nM)
and selectivity.

Optical sensors, based on surface-enhanced Raman scattering (SERS),
have been developed for heavy metal analysis, though by an indirect means.
By exploiting the aggregation of silver nanoparticles (AgNPs), we can significantly
enhance the SERS signal of the Raman reporter molecules (such as negatively
charged 4-mercaptopyridine (4-MPY) on AgNPs) as Chen’s group has done with its
development of a SERS sensor for As** ions [74]. First, AgNPs were functionalized
with both 4-MPY and glutathione (GSH), where 4-MPY not only serves as
the Raman reporter but also provides negative charge to electrostatically stabilize
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Fig. 10.4 The scheme of GO-DNA sensor for Hg2+ detection [73]

AgNPs, while GSH functions as a specific binding element for As®" ions.
When As’* ions bind to GSH, their positive charges destabilize the AgNPs and
induce aggregation, resulting in an enhanced SERS signal for 4-MPY molecules.
The sensor showed good sensitivity (LOD: 0.76 ppb) and selectivity. Similarly, a
SERS sensor for Cd** with Cd**-chelating polymer brush functionalized on AuNPs
as the binding element was developed with good sensitivity and selectivity. More
importantly, SERS provides structural information on the molecules, suggesting
application potential for understanding heavy metal speciation, which is deserving
of additional future research attention.

10.5.1.2 Electrochemical Nanosensors

For on-site detection of heavy metal ions and other charged pollutants in water
samples, electrochemical sensing, such as potentiometry, voltammetry, coulome-
try, and amperometry, shows great potential. Owning to the rapid development of
microelectronics, electrochemical sensors might be devised and fabricated com-
mercially with high uniformity (no significant batch-to-batch variations). These
sensors could be easily miniaturized and integrated into state-of-art wireless mobile
technologies (such as smart phones) for fast detection and signal processing. As a
result, long-term continuous on-line and remote monitoring may be practical, which
could be very important for environmental or medical applications, for example,
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monitoring glucose or hormone levels in blood with an implanted electrochemical
sensor, or continuous monitoring of mine water discharges. The fundamental
mechanism is the highly specific electrochemical detection of metal ions,
suggesting a molecule recognition element might not be required to construct
the electrochemical sensors, improving the sensor design simplicity by allowing
for constant re-use, making these devices suitable for continuous on-line measure-
ment over long lifespans. Nanomaterials have been widely exploited to upgrade
traditional electrochemical sensing, with many review articles published over
the last few years providing in-depth expertise on detailed aspects of this field.
Herein, we provide only some simple examples to briefly overview the electro-
chemical sensing field.

One powerful technique is ion selective electrode (ISE), belonging to the
potentiometric membrane sensors family, which detects specific target ions in
water based on the selectivity of the ionophore membrane. Recently, significant
improvements in the performance of carbon pastes were achieved by incorporating
multi-walled carbon nanotubes (MWCNT), nanosilica, and functional polymer to
form synergistic functional composites which serve as the potentiometric mem-
brane for the detection of Yb**, Er’*, Ho>*, Pb**, and Cu®*, so that the sensitivity
and response time were enhanced [75-78].

For voltammetric sensors, which record current as a function of systematically
varied potential, nanomaterials were widely adopted for electrode modification to
achieve better performance. For example, by using carbon-based nanomaterials
such as carbon nanotubes and graphene sheets with unique electric and chemical
properties to modify the working electrode, the response time, sensitivity (signal to
noise ratio), and stability could be significantly improved, presumably due to
improved electron transfer rates, lower solution resistance, increased mass transfer
kinetics, and enhanced chemical stability and mechanical strength. Some intriguing
review articles may provide in-depth understanding in this regard [79-81].

When utilizing the nanomaterial-modified electrodes for stripping analysis, such
as anodic stripping voltammetry, nanomaterials can serve as a sorbent, thus further
improving the sensitivity of the assay. Compared to unmodified approaches, the
carbon nanomaterial (graphene or CNTs)-modified electrode showed higher effi-
ciency for stripping analysis (i.e. sensitivity was improved by thousands of times),
which accumulates the heavy metal ions from the sample matrix prior to
the reduction of those ions to the zero-valent metal. In this case, CNTs or graphene
are often functionalized with various molecules to improve their affinity to target
analyte ions. For example, when using cysteine-modified CNTs to modify the
electrode surface, the detection limit for Pb>* and Cu?* reached 1 and 15 ppb,
respectively [82]. Similarly, thiacalixarene-functionalized CNTs showed enhanced
sensitivity towards Pb?*, with the detection limit of 40 pM [83]. Likewise, a super-
sensitive and selective Hg”* sensor (LOD: 3 ppt) was developed using layered
titanate nanosheets, a typical cation-exchange material [84].

Field effect transistor (FET) has been adopted as a promising technological
platform for real-time and label-free chemical- and bio-sensing for decades.
Similar to CNT-modified electrodes, SWCNT-FET demonstrates promise for
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heavy metal analysis. For example, SWCNT-FET was used to monitor Hg>" ions
in water up to 10 nM, based on the change in conductance of the CNTs on exposure
to Hg?* ions due to specific redox reactions between CNTs and Hg** [85].

10.5.1.3 Microfluidics-Based Sensor Devices

Microfluidics technology has demonstrated versatility in analytical chemistry,
even for heavy metal detection. Based on the unique strengths of the miniaturized
microfluidic platform, it is reasonable to expect on-site measurement and
multiplexed detection of multiple analytes simultaneously. Currently, both opti-
cal (absorbance, SERS, and fluorescence) and electrochemical sensors have
been incorporated into microfluidic platforms to achieve enhanced portability,
energy- and time-efficiency. Date et al. [86] demonstrated a microfluidic immu-
noassay for heavy metal (Cd2+, Cr3+, and Pb2+) absorbance measurement; herein,
the bound and free AuNP-labelled antibody were separated by microparticles
functionalized with the EDTA chelated metal ions, where the microparticles
were entrapped in a dam-like structure in the microfluidic channel. When the
heavy metal ion sample and AuNP-Abs mixture flow through the channel,
the free AuNP-Abs (i.e. those in excess not binding to metal ions) are retained
by the microparticles while the bound AuNP-Abs flow through the microparticles
without retention. The retained AuNP-Abs are quantified by absorbance at
520 nm, demonstrating the simplicity and portability of the whole device.
Other examples involve fabrication of on-chip quantitation devices such as
micro-electrodes for electrochemical detection [86], fluorescence detection
[87], and SERS [88]. To date, only simple chemical reactions have been realized
on-chip and real environmental and biological samples were rarely tested against
on-chip nanosensors.

10.5.2 Treatment and Remediation Techniques

10.5.2.1 Mine Water Remediation Strategies

To understand the potential of nanotechnology for mine water remediation and
treatment, it is necessary to understand current techniques and strategies. Currently,
there is a wide spectrum of mine water treatment and remediation technologies
which have been developed, proven, and are being applied within different aban-
doned mine environments. The generic range of technologies is reflected in
Fig. 10.5, and can be broadly classified into active, passive, and in situ treatment
approaches [18, 19]. Nanotechnology has potential to enhance the capacity, as well
as increase the efficiency, of all existing treatment technologies.
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Fig. 10.5 Generic strategies in mine water treatment technologies. Modified from Ref [19]

Passive Treatment Systems: Passive treatment systems utilize chemical, biological,
and physical removal approaches, many of which mimic or enhance naturally
occurring processes in the environment, to modify influent characteristics. The
major types of passive treatment applicable to mine water include:

1. Anoxic alkaline drains—used mainly in the treatment of AMD, this system
utilizes trenches filled with alkaline material (often crushed limestone), sealed
under plastic and geotechnical fabric and covered by soil, through which an
un-aerated, contaminated influent stream flows by gravity. As AMD flows
through the system, it gradually dissolves the limestone, releasing carbonate,
which along with bicarbonate, raises effluent pH.

2. Constructed wetlands—ecological systems designed to optimize a variety of
natural physical, chemical, microbial, and plant-mediated processes [89-93].
In a constructed wetland, influent mine water drains by gravity through the
wetland, progressively undergoing metal removal in addition to pH neutraliza-
tion. Metals are removed by precipitation, chelation, and exchange reactions,
while neutralization is primarily achieved by the activity of sulphate-reducing
bacteria (SRB), or by increasing alkalinity via chemical and microbial reactions
including limestone dissolution.
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3. Microbial reactor system—reactor comprised of a shell containing an electron-
donating substrate (i.e. carbon donors), which supports the growth of microor-
ganisms. Aerobic bacteria, such as sulphate-reducing bacteria, treat mine water
(including AMD) by reducing sulphate to hydrogen sulphide [94-97]. The
sulphide in turn reacts with metal ions leading to their precipitation as metal
sulphides [91, 98]. Such bacterial activity consumes hydrogen ions by the
reduction of substrates, thereby increasing the pH of the solution while
producing carbon dioxide which contributes to the CO,-bicarbonate-carbonate
buffer system.

4. Biosorption systems—utilize living biomass including bacteria, algae, fungi,
and yeasts to adsorb heavy metals and radionuclide pollutants from mine
water. Such biosorption systems are limited to treating influent with metal
concentrations below toxicity thresholds for each microorganism. Such systems
are also seasonally limited, as biosorption by living biomass during the colder
temperatures of winter are limited when growth is negligible. Consequently,
biosorption systems cannot be effective stand-alone treatment systems for AMD,
but are a viable alternative form of treatment, or for incorporation as a final
polishing step.

Active Treatment Systems: Active treatment is the approach to improving mine
water quality by the addition of chemical reagents (e.g. hydrogen peroxide, caustic
soda) in the context of extensive infrastructure, energetic inputs, and engineered
systems. Active treatment technologies include aeration, neutralization, metal
precipitation, metals removal, chemical precipitation, membrane processes, ion
exchange, and biological sulphate removal.

1. Aeration—this critical step increases dissolved oxygen, which is necessary as
mine water from flooded shafts is often hypoxic or anoxic; this step promotes
the oxidation of iron and manganese, and increases chemical treatment
efficiency. Aeration also drives off dissolved CO,, which is in dynamic
equilibrium with carbonic acid in solution, thereby increasing the pH and
significantly reducing reagent use. As the principal contaminant in AMD is
often dissolved ferrous iron, and at average water temperatures, only about
10 mg/L of oxygen can dissolve to achieve saturation [19, 99]; aeration is
required if there is more than ~50 mg/L of Fe** in the mine water. Aeration
can be done before or during treatment, using gravity cascades or mechanical
aeration mixing devices [19].

2. Neutralization and hydrolysis—key aspects of mine water treatment, which
involves the addition of alkali materials such as limestone (CaCOs), hydrated
lime (Ca(OH),), un-hydrated (quick) lime (CaO), soda ash (Na,COs), caustic
soda (NaOH), magna lime (MgO), fly ash, kiln dust, or slag.

3. Metal removal—the classical approach to metals removal from mine drainage is
based on chemical precipitation leading to the formation of solid particles
containing metal precipitates. The process normally requires a pH adjustment
to selectively remove metals of interest, as many metals are amphoteric.
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T:}b}e 10.2 Theoretical. Metal ST Metal pHyivi

minimum metal hydroxide — Ev - >

solubility pH (pHawim) Ferric iron, Fe- ~3.5 Ferrous iron, Fe ~8.0

for some selected metals Antimony, Sb>* ~4.2 Zinc, Zn** ~8.5

common in mine water Aluminium, AI**  ~4.5 Nickel, Ni** ~9.3
Lead, Pb** ~6.5 Cadmium, Cd** ~10.0
Copper, Cu** ~71.0 Manganese, Mn>*  ~10.6

Amphoteric metals (M) decrease their solubility until a threshold pH is reached,
above which the metal solubility increases again because of the formation of
soluble complexes [18, 100]. Dissolved metals can form a number of insoluble
compounds with anions, such as

Hydroxides : M** + xOH™ — M(OH), (10.5)
Carbonates : 2M*" + xCO3*~ — M,(CO3), (10.6)
Sulphides : 2M*" +xS?~ — M, (S), (10.7)

Table 10.2 presents pH values corresponding to the theoretical thermody-
namic and minimum solubility of some selected metal hydroxides. Pre-oxidation
of metals with multiple oxidation states prior to precipitation improves the
process as the oxidized form of most metals have lower solubility with the
exception of chromium, selenium, and uranium, which are more soluble in
their oxidized forms [91, 101-103]. To enhance removal of targeted metals,
chemical pre-treatment or co-precipitation strategies are often employed, such
as aeration, iron addition to co-precipitate or adsorb certain metals onto ferric
hydroxide precipitates, and chemical reduction or oxidation to alter the valence
state of a target metal.

4. Chemical precipitation for sulphate removal—mine water may contain a wide
range of anionic species, but sulphate is typical of many mine drainages and
often represents the primary anion contaminant. Some sulphate is removed by
gypsum precipitation during neutralization reactions if lime, limestone, or
another calcium source is added during water treatment [26, 104]. In addition,
a number of precipitation processes have been developed for specific application
to high sulphate content mine waters, including: Barium sulphate process to
re-precipitate sulphate [105, 106]; Ettringite (CagAl,(SO4)3(OH);,226H,0) pre-
cipitation process, which is based on the addition of aluminium hydroxide in a
high pH environment resulting in precipitation of ettringite (a hydrated calcium
aluminosulphate mineral) [107]:

6Ca”*" + 350,% + 2A1(OH), + 38H,0 = CagAl>(SO4);(OH), ® 26H,0 + 6H;0*
(10.8)
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5. Membrane treatment—usually used to treat mine water that is brackish or
saline. There are a wide range of existing membrane treatment technologies
for mine drainage, but their application is challenging as mine water typically
contains several compounds with fouling potential such as metals, sulphates,
and carbonates [41, 108]. Thus, typical membrane treatments for mine water
utilize spiral wound reverse osmosis or nanofiltration membranes, but
other membrane processes such as electrodialysis reversal can also be applied
to treat mine water, and are currently operational in large-scale desalination of
mine drainage.

6. Ion exchange—involves a chemical reaction in which free mobile ions from a
solid phase, the ion exchanger, are traded for different ions of similar charge
from the solution. Like any ionic compound, the solid ion exchange material can
dissociate and participate in ion exchange reactions, but without dissolving of
the material. This property facilitates many specific phenomena and intriguing
possibilities to design heterogeneous systems with ionic properties. The process
has been traditionally used by mining companies in copper cementation or
precipitation processes [53, 109—111]. Within these applications, metallic iron
was placed in a copper-containing stream of leach solution from a waste or
low-grade ore pile. Copper in solution would plate on the surface of the iron
metal, and in the process, exchange electrons with the underlying iron, leading to
irons oxidation and the reduction of copper to the metallic state. This process
created a higher-value product from a waste product (e.g. precipitation of copper
from waste) utilizing low-value scrap iron to remove dissolved copper from
mine water. The reaction is

3Cu?" + 2Fe” — 3Cu° + 2Fe" (10.9)

Recently, ion exchange processes using specialized resin materials have been
developed for high sulphate mine water. There are both cation and anion
exchange process; the cation resin exchanges Ca>*, Mg?*, and other cations
(i.e. metal ions) by the following reaction:

2R —H+ Ca’™ - R,eCa+2H" (10.10)

During the process, water acidifies requiring the degassing of CO,. The anion
resin exchanges SO4°~, C1™, and other anions by the following reaction:

2R — OH + SO,%>~ — R,SO, + 20H~ (10.11)
Many natural mineral compounds, such as clays (e.g. bentonite, kaolinite, and

illite), vermiculite, and zeolites (e.g. analcite, chabazite, sodalite, and
clinoptilolite) exhibit ion exchange properties.
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7. Biological sulphate removal—a process based on sulphate reduction in an
anaerobic reactor, which converts sulphate to sulphide. The process is mediated
by SRB, which preferentially utilize substrates such as fatty acids, alcohols, and
H, gas. The SRB includes a consortium of fermenting bacteria and methanogens,
some of which help to hydrolyze and ferment complex carbon compounds to
readily accessible substrates for the SRBs [97, 112]. In mine water applications,
an electron-donating carbon source such as alcohol, sugar, H, gas, or even complex
substrates such as sewage sludge, as well as nutrients including nitrogen, phos-
phate, potassium, and trace minerals should be added to the bioreactor to stimulate
bacterial growth. Using this process, sulphide can be partially oxidized to sulphur
in a carefully controlled micro-aerobic environment, with the potential for the
sulphur to be separated as a potentially commercial by-product. Stripping of
the sulphide and converting to sulphur involves a substitution of H,S by CO,,
which results in an increase in carbonate alkalinity and potential precipitation of
carbonates such as calcite [91, 98]. This can lead to biomineralization of a number
of metallic contaminants present in the mine water.

8. Sulphide precipitation—this is a process used to remove metals such as lead,
copper, chromium (VI), silver, cadmium, zinc, mercury, nickel, thallium,
antimony, and vanadium from mine water, which works under the same basic
principle as hydroxide precipitation [91, 98]. The precipitation process converts
soluble metal compounds into relatively insoluble sulphide compounds through
the addition of precipitating agents, such as sodium sulphide (Na,S), sodium
hydrosulphide (NaHS), ferrous sulphide (FeS), and calcium sulphide (CaS). Over
a broad pH range, sulphides (S*~, HS") are extremely reactive with metal ions but
the precipitation occurs only near neutral conditions (pH 7.0-9.0) [91, 112].
The metal-sulphide precipitates are physically removed from the treated mine
water through coagulation, flocculation, and clarification, or filtration thereby
leaving a metal-sulphide sludge.

9. Biomineralization—a broad diversity of microorganisms influence and regulate
geochemical processes such as the mineralization of inorganic materials
[113, 114]. This process, known as biomineralization can be mimicked in
mine water as a promising bionanotechnological method for contaminant
removal. For instance, bacteria in natural systems can form calcium carbonate,
influencing carbonate rock (i.e. limestone) and sediment formation. Such
biominerals are hybrids of inorganic and organic components, and in living
systems, are the basis for generating bones, teeth, or shells. The organic matrix
contributing to these recalcitrant structures consists of proteins, lipids, or poly-
saccharides, and functions as a template or as nucleation sites for the mineral-
ization of the inorganic phase. Minerals, synthesized by biomineralization
processes include silica, iron oxides, hydroxyapatite, and calcium carbonate
in various polymorphic orientations (e.g. calcite, aragonite, and vaterite)
[115, 116]. Calcium carbonate mineralization by bacteria is regarded as a
biologically induced and mediated process [113—115]. Microorganisms can
influence most of the factors leading to precipitation, initially by bacterial cells
acting as nucleation sites for metal accumulation. Positively charged ions
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like Ca** can be accumulated on negatively charged functional groups on the
cell surface and subsequently react with anions to form insoluble inorganic
solids like calcium carbonate [23, 113]. Metabolic pathways of heterotrophic
bacteria, namely the nitrogen and the sulphur cycle, can be involved in biomin-
eralization processes by the generation of (hydrogen-) carbonate ions as well as
ammonia, influencing their surrounding medium [113, 114, 117].

10.5.2.2 Potential of Nanoscale Iron and Derivatives

Iron-based nanomaterials are gaining prominence in water nanoremediation,
with the most popular being magnetic nanoparticles including nZ VI, reactive nano-
scale iron product (RNIP), magnetite (Fe30,4), and (y-Fe,O3) nanoparticles [116,
118, 119]. These magnetic nanoparticles not only have a large removal capacity, fast
kinetics, and high reactivity for contaminant removal due to their extremely small
particle size and high surface-area-to-volume ratios but also one more important
property, magnetism. Tang and Lo [118] have summarized the nanoremediation
mechanism and processes involving nanoscale iron species (Fig. 10.6). The advan-
tage of nanoscale iron is its ability to be reused by desorbing the contaminants and
regaining removal capacity over successive treatment cycles [120].

(a) Nanoscale Zero-Valent Iron
NZVI particles range from 10 to 100 nm in diameter. They are usually synthe-
sized through reductive precipitation of FeCl; with NaBHy,, or reduction of
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goethite and hematite particles with H, at high temperatures (200-600 °C).
They exhibit a typical core-shell structure, which consists primarily of zero-
valent or metallic iron whereas the mixed valent (i.e. Fe (II) and Fe (III))
oxide shell is formed by oxidation of the metallic iron. The nZVI are efficient
agents of nanoremediation due to their large surface area and large number
of reactive sites, and their dual properties of adsorption and reduction
[57, 121]. The use of nZVI in mine water remediation would benefit from
iron being a strong reducing agent, reducing inorganic pollutants and
immobilizing AMD-associated metals such as uranium, arsenic, and chromium,
while degrading organic ore processing chemicals. For instance, in excess of
99 % of arsenic in water can be removed using 12 nm diameter iron oxide
nanoparticles [57, 122-125], and they are highly effective for the transforma-
tion and detoxification of chlorinated organic solvents and polychlorinated
biphenyls (PCBs). Further, surface sorption and co-precipitation of contami-
nants also occur due to the formation of an iron oxide or oxy-hydroxide shell
when nZVI contacts air or water. Consequently, nZVI can be used in wide range
of in situ decontamination applications including sub-surface injection into
reactive treatment zones [18, 125]. Furthermore, they can be used as reactive
barriers to control plumes migrating from contaminated sites and in filter
systems (Fig. 10.7).

Reactive Nanoscale Iron Product

In the presence of oxygen, nZVI is readily oxidized to Fe*" and can be further
oxidized to Fe** ions. The conversion from Fe** to Fe** is dominant under
acidic and oxygenated conditions. Further, the oxidation of nZVI in the
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presence of water can also result in the production of hydrogen, causing the
nanoparticles to “burn out”; a major constraint when using nZVI for remedia-
tion of AMD. Providing surface coatings such as a thin layer of either Fe3;Oy,
silica, or polymers reduces oxygen contact with nZVI, retaining their reactivity
[120, 125, 126]. Particles formed when nZVI is coated with a thin layer of
magnetite (Fe;O4) are called Reactive Nanoscale Iron Products (RNIP)
[44, 116]. The RNIP consists of approximately a 50:50 mixture by weight of
elemental iron (a-Fe) as the core, surrounded by a Fe;O, outer shell
[116]. Unfortunately, the reaction kinetics of RNIP are sometimes slower
than nZVI a lower accessibility of contaminants to Fe” due to the covering
Fe;0, shell.

Emulsified Zero-Valent Iron

Zero-valent iron can be modified to comprise catalysts like palladium, coatings
such as polyelectrolyte or triblock polymers, or they can be encased in emulsified
vegetable oil micelles. A potential benefit of eZVI (Fig. 10.8) over nZVI for mine
water applications is the hydrophobic membrane surrounding the nZVI, which
protects it from other waterborne constituents such as inorganic compounds that
might otherwise react with the nZVI, reducing its capacity or inactivating the iron
[116]. As with the addition of metal catalysts to nZVI particles, the formation of
emulsified zero valent iron (eZV]) also represents an enhancement to the existing
nZVI technology. In fact, such modifications are necessary to treat ore extracting
and processing chemicals in mine water, as well as treating petroleum by-products
as the surface of the nZVI nanoparticle requires modification to contain an
oil-liquid membrane. As the composition of this membrane is hydrophobic and
forms an emulsion with ZVI, the resulting eZVI can interact with non-aqueous
phase liquid petroleum contaminants [127]. As the eZVI emulsion is miscible with
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hydrophobic contaminant, there is broad contact between the contaminant and the
ZVI present within the oil emulsion droplet. While the ZVI in the emulsion
remains reactive, contaminants are continuously degraded within the aqueous
emulsion droplet, which produces a concentration gradient within the oil mem-
brane. This gradient drives additional contaminant migration into the membrane,
where continual degradation can occur.

(d) Fe3;0,4 and y-Fe,O3 Nanoparticles
Fe;0,4 and y-Fe,0O; magnetic nanoparticles have many potential uses within
mine water remediation applications due to their ability to remove metallic
contaminants using both physical and chemical adsorption. Further, Fe;0,4 and
v-Fe,O; magnetic nanoparticles can also remove contaminants using ion
exchange mechanisms, and can serve as carriers of other nanoparticles with
complimentary functions in water treatment (Fig. 10.9). Fe;O4 nanoparticles
use both physical and chemical adsorption to remove metals from water. For
instance, Hu et al. [128] demonstrated that the FeCr,O,4 crystalline structure
formed on the surface of Fe3O4 nanoparticles was generated by the removal of
Cr(VI) from water. The mechanism underlying the removal of Cr(VI) is its
reduction to Cr(II), and the subsequent surface precipitation of Cr(IIl) onto the
magnetic nanoparticles [118, 128].

Generally, the adsorption of inorganic contaminants onto magnetic
nanoparticles is low at high pH values indicating that adsorption is largely
through physicosorption mechanisms but posssibly with limited chemosorption.
Since electrostatic interaction is one of the major removal mechanisms of
magnetic nanoparticles, background electrolytes have little effect on removal
performance when the affinity of pollutants for the nanoparticles exceeds their
affinity for the background electrolytes. Natural organic matter (NOM) such as
humic and fulvic acids affect pollutant extraction performance of nanoparticles
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by slowing reaction kinetics through blocking sorption on the nanoparticle
surface. pH dramatically affects the reduction of nZVI and adsorption perfor-
mance of Fe;O0, and y-Fe,O; magnetic Nanoparticles the optimal pH for
selective removal of Cr, Cu, and Ni determined to be 2.5, 6.5, and 8.5, respec-
tively [116, 129, 130].

Similar to Fe;O,4 nanoparticles, the dominant contaminant removal mecha-
nism for y-Fe,O3 nanoparticles is physical adsorption, with a limited amount of
chemical adsorption contributing. The crystallite structure of y-Fe,O;
nanoparticles does not change after the desorption, indicating that electrostatic
interactions are the primary pollutant removal mechanism. Oxygen atoms on
the surface of Fe;0,4 and y-Fe,O3 nanoparticles are polarized when ambient pH
is below the zero point of charge (pHZPC), charging the iron oxides surface
positive, which attracts negatively charged pollutants (e.g. Cr(VI) and As(V))
[41, 116, 131]. Consequently, the pollutant removal performance of Fe;0,4 and
v-Fe, O3 nanoparticles is highly pH-dependent.

10.5.2.3 Potential of Bimetallic Nanoparticles and Other Metals

Another type of nanoparticle with strong potential for mine water remediation
applications is the bimetallic nanoparticle (BNP). Bimetallic nanoparticles consist
of elemental iron or other metals in conjunction with a metal catalyst, such as
platinum (Pt), gold (Au), nickel (Ni), or palladium (Pd) [132]. BNPs can also be
made using other noble metal catalysts, such as plutonium, gold, and nickel;
however palladium-iron BNPs are the only particles commercially available, and
are consequently the most common [118, 128, 133]. Metals such as zinc and tin
possess similar reduction capabilities as iron, with all types of BNP nanoparticles
increasing the oxidation—reduction (redox) reaction kinetics, thus catalyzing the
reaction. Other inert metals, such gold and aluminium can also used to make BNP
nanoparticles, but unlike iron, are non-reactive. Subsequently, gold and aluminium
can only serve as a base metal core in conjunction with a catalyst coating. Never-
theless, their inclusion still increases the catalytic rates of the coating metal
[46]. Various base metals can be fused with different noble metals to form a
multitude of metal combinations [134, 133]. When metal catalysts are coupled
with reactive metals such as iron, they serve to enhance the reactive properties of
the iron. In contrast, when metal catalysts are coupled with non-reactive metals
such as gold, they act as the catalysts themselves. Lately, palladium-coated gold
nanoparticles have emerged as one of the most promising alternatives to nZVI and
palladium-coated nZVI. The enhancing properties of gold, while not yet clearly
understood, are illustrated by Pd-on-Au particles generating 100-fold greater reac-
tion rates than palladium [135—-137] alone, with a sub-monolayer of palladium on
gold producing the highest catalytic rates [135-137].

There are several ways BNP can be used in mine water treatment, the most
prominent application being in situ passive treatment utilizing slurry injections
where particles dissipate into the ground. However, such an approach, while
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technically feasible, may not currently be cost-effective for Pd—Au nanoparticle
applications. Interestingly, even expensive BNPs can be applied cost-effectively
using two recent innovations. The first technology involves mounting the
nanoparticles onto membranes, and then allowing contaminated mine water to be
pushed through the membranes. The second technology binds the nanoparticles to a
powder, which enables particle recovery from solution by filtration, a process
unachievable with individual nanoparticles [138-140].

10.5.2.4 Nanoscale Semiconductor Photocatalysts

A number of materials, such as titanium dioxide (TiO,), zinc oxide (ZnO), iron
oxide (Fe;O3), cadmium sulphide (CdS), zinc sulphide (ZnS), and tungsten
oxide (WOj3) can obtain energy by absorbing light, thereby acting as photocatalysts
[141, 142]. These materials have semiconducting properties, and can act as sensi-
tizers for light-induced redox processes due to their electronic structure, which is
characterized by a filled valence band and an empty conduction band [46]. When a
photon with energy of hv matches or exceeds the band gap energy, E, of the
semiconductor, an electron, e, is promoted from the valence band, VB, into the
conduction band, leaving a hole, h* behind (Fig. 10.10). Excited state conduction-
band electrons and valence-band holes can recombine and dissipate the input
energy as heat, get trapped in metastable surface states, or react with electron
donors and electron acceptors adsorbed on the semiconductor surface or within
the surrounding electrical double layer of the charged particles. In the absence
of suitable electron and hole scavengers, the stored energy is dissipated within a
few nanoseconds by recombination. If a suitable scavenger or surface-defect
state is available to trap the electron or hole, recombination is prevented and
subsequent redox reactions may occur. The valence-band holes are powerful
oxidants (+1.0 to +3.5 V depending on the semiconductor and pH), while the
conduction-band electrons are good reductants (+0.5 to —1.5 V). Most organic
photodegradation reactions utilize the oxidizing power of the holes directly or
indirectly; however, to prevent a build-up of charge one must also provide a
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reducible species to react with the electrons. In contrast, on bulk semiconductor
electrodes, only one species, either the hole or electron, is available for reaction due
to band bending.

Semiconductor photocatalysts have the ability to oxidize pollutants into
non-toxic or immobile forms, and for the reductive deposition of heavy metals
from aqueous solution such as mine water to adjacent surfaces. Traditionally, TiO,
has been used in advanced photochemical oxidation (APO) processes for environ-
mental remediation because of its low toxicity, high photoconductivity, high
photostability, availability, low cost, and ability in many cases to completely
mineralize organic compounds [142]. TiO,, for example, exhibits photoconductiv-
ity when illuminated by light with an energy level exceeding 3.2 eV, the band gap
for TiO, [143, 144]. This energy level translates to light with a wavelength shorter
than 387.5 nm, which falls into the category of UV light [142-144]. Doping
particles or modifying the surfaces of the photocatalysts with metals has become
an increasingly popular enhancement. Metals such as platinum, copper, silver, and
gold have been tested for their ability to improve TiO, decontamination rates.
Coupling TiO, with these metals can also induce a sensitivity and subsequent
response to visible, rather than ultraviolet light. Such doping overcomes the
traditional problem faced when utilizing semiconductors as photocatalysts,
the requirement for UV light, which is a small component of incident solar radiation
[143, 144]. However, by coupling TiO, with copper, we can utilize visible light
for photocatalysis, including the remediation of metal contaminants like Cr(VI).
Coupling TiO, with gold and silver produces similar reductive capabilities as
that of TiO, and copper [52]. Further, if TiO, is used to coat silver and gold
particles with a TiO, shell, reversing the traditional shell:core relationship may
enhance photocatalytic activity and increase light absorbing capabilities. Other
recent advancements include photocatalytic TiO,-based p—n junction nanotubes
containing platinum on the inside and TiO, on the outside [141, 142]. The nature of
the p—n junction allows the outside of the tube to act as an oxidizing surface, while
the inside of the tube acts as a reductive surface.

Recently, ZnO has been proposed as a dual function photocatalytic material.
ZnO films possess both sensing and remediating potential for organic contaminants
in mine water, including a high degree of sensitivity and ability to degrade aromatic
compounds under UV light [145, 146]. These two features can facilitate monitoring
of the degradation process, since as decontamination progressed, a direct change in
emission intensity followed [52].

10.5.2.5 Nanocomposite Materials

(a) Self-Assembled Monolayer on Mesoporous Supports
Self-assembled monolayers on mesoporous silica (SAMMS) have a structure
resembling a hexagonal honeycomb with monolayers formed within the porous
surfaces that adsorb or bind molecules [147, 148]. Synthesis of SAMMS
involves multiple steps, mostly reliant on molecular self-assembly [53, 54].
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Fig. 10.11 Schematic of organosilane self-assembly on ceramic oxide surface, showing
production stages (upper illustration, top schematic). Hydrolysis of organosilanes on the oxide
surfaces to create the corresponding hydroxylsilanes, which then absorb on the surface via
hydrogen bond (upper illustration, middle schematic). Aggregation and condensation of these
hydrogen-bound species lead to a closely packed monolayers on the oxide surface (upper illus-
tration, lower schematic). Self-assembled monolayer structure within a mesopore (right illustra-
tion), where the red, blue, grew, and white spheres indicate the oxygen, silicon, carbon, and
hydrogen atom, respectively. Source: Ref. [147]

Figure 10.11 illustrates the process and steps involved; the first, self-assembly,
involves the aggregation of the starting surfactant molecules into micelle
templates of ordered liquid crystalline structures [148, 149]. Then, oxide
materials are precipitated onto the surface of the micelles in the presence of
solvents under mild hydrothermal conditions [147, 148]. This leads to forma-
tion of the preliminary mesoporous backbone, the second phase of self-
assembly. The final step in creating the mesoporous ceramic requires the
calcination of the organic-oxide material to remove the surfactants.
Functionalized silane molecules are mixed in excess with the mesoporous
ceramics and self-assemble in an ordered monolayer on the pore surfaces of
the ceramic (Fig. 10.11). The biofunctional silanes used in the process can be
engineered to have hydrophilic head groups that bind the target materials, and
hydrophobic tail groups, which covalently bind to the ceramic substrate.

The potential of using SAMMS in mine water remediation is based on their
ability to alter the exposed functional group of the monolayer in the porous
surface, allowing potential binding of a broad range of contaminants [148, 150].
One of the most common functional groups is thiol (thiol-SAMMS), designed
mainly for the sequestration of mercury. However, thiol-SAMMS can also bind
other metallic cations, such as silver, cadmium, lead, molybdenum, and thallium.
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Currently, there are Anion-SAMMS or metal-capped ethylenediamine (EDA)
SAMMS which absorb anions, such as chromate and arsenate [148, 150].
Their derivative, chelate-SAMMS, contains only the EDA functional group,
and can bind metals, such as copper, nickel, cobalt, and zinc (SAMMS Technical
Summary). Cu-EDA-SAMMS (a type of anion-SAMMS) has been further
functionalized to bind cesium by incorporating ferrocyanide-forming Cu-
Ferrocyanide-SAMMS [116, 148, 150]. Furthermore, a variety of phosphonate
and hydroxypyridone (HOPO) functionalized SAMMS have been created for
the sequestration of actinides and lanthanides [150]. The advantage of SAMMS
is twofold: they can be custom functionalized towards target contaminants
for on-site remediation, while able to be recycled and reused in consecutive
treatments [116]. However, mercury-laden SAMMS are tightly bound and cannot
be reused, but must be disposed of [116]. SAMMS can be mixed with aqueous
solutions where, following sequestration of targeted molecules, they can be filtered
from solution and recycled. Acid-stripping causes SAMMS to release bound
compounds, at which point they can be separated out of solution and reused.
(b) Sol-Gel and Biocers

In the sol-gel process, simple molecular precursors are converted into
nanometer-sized particles to form a colloidal suspension, or sol. The colloidal
nanoparticles are then linked with one another in a three-dimensional, liquid-
filled solid network. This transformation to a gel can be initiated in several
ways, but the most convenient approach is to change the pH of the reaction
solution [151]. In general, the major processes involved are hydrolysis and
condensation of alkoxide-based precursors such as Si (OEt) 4 (tetraethyl
orthosilicate (TEOS)). The reactions involved in the sol-gel process are
based on the hydrolysis and condensation of metal alkoxides M(OR), and can
be described as follows:

MOR + H,0 — MOH + ROH (hydrolysis) (10.12)
MOH + ROM + ROH (condensation) (10.13)

Sol-gel materials can be different forms, such as powders, films, fibres, and
freestanding pieces of material called monoliths (Fig. 10.12). The sol-gel’s
properties are determined by the method used to remove liquid from a solid.
For example, a gel can be dried in a sol—gel process to make aerogels, a special
class of ultralow-density materials. Similarly, there are broad sets of sol—gel
materials for applications ranging from optics, coatings, to energy storage, to
ceramics, to nanoelectronics and to remediation. For example, specific forms of
sol-gel material are designed to remove oil from water. Such sol-gel are
designed porous and hydrophobic but absorb organics such as oil. A similar
aerogel composite is used to remove contaminants such as uranium, chromium,
copper, and arsenic from groundwater [152, 153]. Other new sol-gel materials
include ultrathin films, which can be used to coat silicon wafers and protect
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Fig. 10.12 Sol-gel chemistry involves molecular precursors, which are converted to
nanometer-sized particles to form a colloidal suspension, or sol. Adding epoxide to the sol
produces a gel network. The gel can be processed by various drying methods (shown by the
arrows) to develop materials with distinct properties [153]

Fig. 10.13 Sol-gel material showing different porosity levels at nano- and meso-scale (courtesy
of Martin Mkandawire—Habilitation research work)

optics, and sol-gel-derived powders, which can be used to produce ceramics
with various properties (Fig. 10.13).

Sol-gels can be further modified to be biologically active by either incorpo-
rating bioactive molecules like proteins and enzymes, or by embedding them as
an immobilizing matrix for living microorganisms. These types of sol-gel
composite materials are popularly known as biological ceramic composites
(biocers), and are made according to aqueous sol—gel protocols and can be
used as selective metal-binding filters. Biocers are prepared by dispersing
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Fig. 10.14 Biological sol-gels (biocers) demonstrating different means of immobilizing living
microorganisms: (a) surface immobilization of Rhodoccocus ruber, (b) bacteria under a thin film
coating of biocer, (c¢) surface immobilization of algae, and (d) embedded bacteria growing in
biocer. Sources: (a—c) Ref. [154] and (d) from Ref. [155]

vegetative cells, spores, and stabilized surface-layer proteins (S-layer) within
aqueous silica nanosols prior to geling and drying. Both freeze-drying of
prepared biocers as well as the addition of water-soluble compounds such as
sorbitol lead to higher porosity and faster metal-binding properties. The bio-
logical component of the biocers can be customized for desirable adaptations in
bacteria by isolating and incorporating those strains acclimated to contaminated
sites or mine water discharges. Thereby, vegetative cells of algae, bacteria,
and some fungus and their spores (where applicable) can be added to the biocer
to selectively bind U, Cu, Al, Cd, and Pb in large amounts (Fig. 10.14).

10.5.2.6 Nanoscale Polymers and Nanosponges

(a) Dendrimers
Dendrimers are three-dimensional, highly branched, globular polymeric mac-
romolecules usually comprised of three covalently bound components: a core,
interior branch cells, and terminal branch cells (Fig. 10.15) [45, 156]. Flexibil-
ity during synthesis allows for customized molecular design, including size,
shape, surface or interior chemistry, flexibility, and topology to be produced to
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Fig. 10.15 Different dendritic polymers: dendrimer, core-shell tecto (dendrimer), dendrigraft
polymer, hyperbranched polymer. Source: Carlmark et al. [45]

specifications [157, 158]. The size of dendrimers ranges between 2 and 20 nm,
with common shapes including cones, spheres, and disc-like structures able to
be generated. Dendrimers can be broadly applied to a variety of remediation
applications, particularly in water treatment. For instance, poly(amidoamine)
(a.k.a. PAMAM) are a type of dendrimer which have been used to treat
wastewater contaminated with a variety of transition metal ions such as copper
(Cu(II)) [159-161]. Diverse cores and functional groups that can be incorpo-
rated into dendrimers translate into equally diverse water remedial and
biodetection applications [58, 159, 162]; for metal-remediating dendrimers,
an EDA core is employed [157, 163]. The high concentration of nitrogen
ligands within the interior branches makes PAMAM dendrimers particularly
useful as chelating agents for metal ions [163—165] and the ability to choose a
multitude of functional groups as terminal cells also contributes to their func-
tionality as metal chelators. Surface terminal groups, including primary amine,
succinamic acid, gycidol, hydroxyl, and acetamide have been tested
successfully [165].

Currently, dendrimer-enhanced ultrafiltration (DEUF) is a recent remedia-
tion tool, which has emerged as a promising technology for removing metal
ions from mine water streams. With DEUF, metal ions bind to the dendrimers
allowing for removal of contaminants though membrane filtration. While the
current status of dendrimer research for remediation only includes EDA core
PAMAM dendrimers for copper and other metal ion recovery, PAMAM
dendrimers can be functionalized with redox active metal clusters of FeS for
reductive decontamination of organic pollutants [162].

(b) Polymeric Nanoparticles
Polymeric nanoparticles are molecules or molecular aggregates that possess
amphiphilic properties originating from distinct segments present in the particle
[166]. Individual nanoparticles contain both a hydrophobic and hydrophilic
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region, which self-assemble in the presence of water to form polymer vesicles
with diameters in the nanometer range, with hydrophobic segments oriented
inwards, and hydrophilic segments forming the outer layer [166]. Polymeric
nanoparticles offer a potential replacement for traditional surfactants com-
monly used to enhance the remediation of hydrophobic organic contaminants
using pump-and-treat systems. They can be applied to treat mine process water
as well as drilling oil contamination, which otherwise sorb strongly to soils or
form non-aqueous phase liquids [166—168].

10.5.2.7 Bionanomaterials

(a) Ferritin Nanoparticles

Constituents of biological systems, including proteins such as ferritin, can
regulate the formation of mineral structures. Iron, while an essential element
for living organisms, is also highly toxic in unregulated, so living organisms
store iron as ferritin to regulate iron homeostasis. The need to sequester iron,
and hence the presence of ferritin, is found across phyla including the animal,
plant, and microbial kingdoms. The structure of ferritin consists of a spherical
protein shell (apoferritin) composed of 24 polypeptide subunits chains, sur-
rounding an aqueous cavity with internal and external diameters of about 8 and
12 nm. The multi-subunit construction of the apoferritin shell facilitates the
generation of eight hydrophilic channels, each of about 4-5 A and leading to the
protein cavity. Water, metallic cations, and hydrophilic molecules of appropri-
ate size diffuse through these channels from the external matrix to the cavity, or
vice versa. Consequently, iron molecules can diffuse into the ferritin cavity
through channels in the protein shell, where mineralization converts the mole-
cules into a nanoparticle of ferrihydrite, a ferric oxy-hydroxide.

Ferritin nanoparticles offer multiple potential applications for mine water
remediation, the most promising being the photoreduction of contaminants in
the presence of visible light or solar radiation [169—171]. Iron oxides in general
have received a significant amount of attention for their potential remedial
abilities. While able to carry out significant photochemical processes, Fe
(IIT)-bearing iron oxides quickly undergo photoreduction to Fe(Il), rendering
the catalyst inactive [116]. However, ferritin naturally converts Fe(II) to Fe(IIl),
preventing photoreduction of the iron oxide. While providing stability, the
apoferritin cage does not inhibit photoreduction of environmental contami-
nants, conferring ferritin a significant advantage over traditional freestanding
particles. In addition to iron hydroxide, the apoferritin protein cage supports the
synthesis of the other metal hydroxides, such as Mn(O)OH, Fe(O)OH, and Co
(O)OH [116, 172]. Exploiting these capabilities could potentially expand this
technology, thereby increasing remediation speed and effectiveness as well
as expanding the list of contaminants that could be addressed. Further, ferritin
can be employed in the production of both metallic and metal hydroxide
nanoparticles like iron and cobalt metallic- and oxide-based nanoparticles.
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Surface-Layer Proteins
Surface layers (S-layers) form the outermost cell envelope of most archaea and
many bacteria by serving as an interface between the bacterial cell and its
environment. S-layers are macromolecular paracrystalline arrays of proteins or
glycoproteins that self-assemble into two-dimensional semi-permeable mesh-
works with regularly distributed pores of about 2—-8 nm [151, 173]. The self-
assembly consists of a spontaneous entropy-driven process with the size of each
individual cell ranging from 2.5 to 35 nm, whereas the thickness of the layer
varies between 5 and 70 nm [174]. The S-layers are about 50 % hydrophobic
amino acids, 15 % glutamic and aspartic acids, and 10 % lysines [175].
Surface layer proteins can be extracted with chaotropic agents such as guani-
dine hydrochloride from Gram-positive bacteria, or metal chelating agents
(EDTA) from Gram-negative bacteria [174, 175]. Upon removal of the agent
used for isolation, SLPs can be recrystallized to re-form meshworks identical to
those on intact bacteria [175, 176]. The isolated S-layers can recrystallize into
two-dimensional regular arrays in suspension or on various surfaces including
silicon wafers, metal, glass, mica, or lipid, thus being an appropriate material
for several bionanotechnological or potentially water treatment purposes.
Among the promising applications of S-layers is their use as biotemplates for
capturing metal ions or for the synthesis of metal nanoclusters as they can be
excellent bottom-up building blocks for metal immobilization structures and
forming supramolecular scaffolding assemblies [176]. The high density of
functional groups on the S-layer surface form matrices for controlled formation
of inorganic nanocrystal superlattices (e.g. CdS, Au, Ni, Pt, or Pd), which are
used for molecular electronics and non-linear optics [175, 177]. The S-layer’s
high capacity for binding metals is attributed to passive accumulation of metal
on the surface of the bacteria cell, lending potential for applications removing
toxic metals such as U, Cu, Pb, Al, Cd, Zn, and Ni [151, 174, 177, 178] from
contaminated water, as well as for the recovery of precious metals (e.g. Au, Pt,
Pd, Rh) from mine water [151, 174, 177, 178]. For instance, S-layers from
different bacteria of Lactobacillus kefir bind Pb**, Cd**, Zn**, and Ni** while
S-layers of Lysinibacillus sphaericus have high binding capacities towards
UO,* as well as Cu*, Pd**, P®*, and Au®* [151, 174, 177]. S-layer-metal
interactions are mediated through coordination with side chain carboxyl groups
of Asp and Glu residues, and NH groups from the peptide backbone while others
with uranium are coordinated through carboxyl and phosphate groups
(Fig. 10.16). Isolated S-layers can be used to nucleate biomineralization as
they intrinsically tend to self-assemble in suspension into two-dimensional
arrays and onto various surfaces, exhibiting pores of identical size and morphol-
ogy and presenting functional groups aligned in a well-defined order and
orientation [179]. Mineralization begins within the holes of the S-layer, where
cations such as Ca®* bind negative charges of the S-layer, followed by carbonate
binding to initiate the formation of a mineral aggregate, dependant on the pH and
ionic composition of the surrounding solution.
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Fig.10.16 Modes of interaction between metals and bacteria cells bearing S-layers, which can be
exploited in mine water remediation. Modified from Ref. [181]
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S-layers can be utilized in mine water remediation through construction of filter
matrices with high metal-binding capacities possessing the ability to selectively
and reversibly bind high amounts of toxic metals from mine water [180].
The S-layer can be engineered by inserting amino acid residues like cysteine
and histidine carrying functional groups with a high affinity for heavy metals to
metal sequestration. In other words, engineered recombinant S-layers enlarge the
possibilities of designing nanoclusters with a higher affinity for metals.
Single-Enzyme Nanoparticles
To increase longevity and enhance versatility, single enzymes are “caged” or
encapsulated to create a class of catalysts called single enzyme nanoparticles
(SENSs) [182]. The “cage” is actually a nanostructured silicate shell, linked to the
surface of the enzyme to protect the enzymes’ catalytic function by allowing it
to remain active for months relative to the normal proteinaceous enzymes life
span of just a few hours. Consequently, these stable novel enzyme-containing
nanoparticles are capable of significantly more catalytic activity, offering vast
capabilities for chemical conversions, bio-sensing, and bioremediation. Their
specificity and targeted effectiveness make them much more effective than syn-
thetic catalysts. Synthesis of SENs initially involves covalent modification of
the enzyme surface, creating vinyl group functionality and solubilization of the
enzyme in a non-polar hydrophobic solvent such as hexane. Then, the modified
enzymes are mixed with silane monomers with both vinyl and trimethoxysilane
groups. Vinyl group polymerization creates linear polymers with free
trimethoxysilane groups attached to the enzyme surface. Lastly, the cross-linked
silicate shell resembling armour is created by hydrolysis of the trimethoxysilane
groups and the subsequent condensation of the silanols [183]. The SENs offer a
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variety of remediation advantages in being able to withstand more extreme
conditions (pHs, high contaminant concentration, high salinity, and tempera-
ture) making them suitable for remediation of mine discharges and drainages
with the contaminant of interest dictating the enzyme employed. Despite the
benefits achievable through enzymatic remediation, concerns over enzyme
stability and lifetime remain a cost-limiting factor for large-scale remedial
applications.
(d) Tunable Biopolymers

Genetic and protein engineering have emerged as valuable tools for the con-
struction of nanoscale materials that can be controlled precisely at the molec-
ular level [184]. For instance, it is currently possible, using recombinant DNA
techniques, to create “artificial” protein polymers with fundamentally new
molecular organization. These nanoscale biopolymers can be specifically
pre-programmed within a synthetic gene template and controlled precisely in
terms of size, composition, and function at the molecular level [185]. In this
manner, it is possible to design specific protein-based nano-biomaterials with
both metal-binding and tuneable properties that can be used to selectively
remove heavy metals from dilute solutions in a single process.

Elastin-like polypeptides (ELPs) are one such class of biopolymers that are
of particular interest because of their “smart”-stimuli responsive-properties
[185]. They are comprised of the repeating pentapeptide VPGVG and undergo
a reversible phase transition from water-soluble forms or polymeric solutions
into aggregates with increases in temperature [186]. The transition temperature
of the ELP can be tuned/controlled by altering the chain length and sequence,
but also with changes in pH, ionic strength, pressure, and covalent modifica-
tions [185]. The ELPs can be functionalized with other peptides or proteins,
while still maintaining their temperature responsive characteristics. Tuneable
biopolymers can be easily manipulated to selectively bind and remove heavy
metals from water. For example, fusion of ELP with specific proteins creates
biopolymers specifically targeting individual metals, such as cadmium, mer-
cury, arsenic, and lead [184—186]. Currently, tuneable biopolymers that bind to
cadmium and mercury are available and in use; those ELPs binding cadmium,
for example, posses the repeating pentapeptide VPGVG, but can be tuned to
incorporate a hexahistidine tail that serves as the cadmium-binding moiety
[185, 186].

10.5.2.8 Nanocrystalline Zeolites

Zeolites are crystalline hydrated aluminosilicate materials composed of three-
dimensionally connected framework structures constructed from corner-sharing
tetrahedral coordinated Si and Al cations and oxygen [187]. These framework
structures are composed of rings with 4-6 atoms of Si and Al, and large pore
openings of 8-, 10-, and 12-rings. The specific surface area of zeolites is attributed
to their porous crystalline structure. There are over 40 different kinds of natural
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zeolites, and over 100 synthetics found in various part of the world. Conventional
synthesis methods produce zeolites on the scale of 1-10 pm, however their pores
are 0.4—1 nm, which are close to the molecular diameters of lighter hydrocarbons
and consequently, zeolites are considered nanomaterials. The sizes of the
intracrystalline pores and nanospaces depend on the type of zeolite. Zeolites have
high cation-exchange capacities, high specific surface areas, and high hydrothermal
stability [188]. The porosity of zeolite structure enables cations to migrate in and
out freely, exchanging their cations for those of the surrounding fluid. The cation
preference of a given zeolite can be due to ion sieving or competition between the
zeolite phase and aqueous phase for the cations [189]. Strong acid sites exist on the
nanopore surfaces, enabling the zeolites to be used as shape-selective catalysts.
Zeolites are extremely active catalysts with selective catalysis-steric phenomena.
They can be manipulated to catalyze reactions selectively by avoiding formation
reactants or by preventing transition states from forming within the pores because
of their size or shape.

Zeolite can act as a molecular sieve to produce sharp separations of molecules
by size and shape while strong electrostatic fields within a zeolite cavity result in
very strong interactions with polar molecules [189, 190]. However, they also
effectively and strongly absorb non-polar molecules due to the polarizing power
of the electric field. As a result, zeolites are excellent separators, even in the absence
of steric hindrance. The unique properties of zeolites which make them effective
sorbents and ion exchange media for metal ions, qualify them for use as a relatively
inexpensive means of cleaning acidic mine water. Synthetic zeolites have been
demonstrated to effectively remove Cr(IIl), Ni(Il), Zn(II), Cu(Il), and Cd(II) from
electroplating waste water [190]. Regular-sized zeolites have the ability to reme-
diate water containing cationic species, such as ammonium and heavy metals, as
well as radioisotopes such as 137Cs and 2°Sr [191, 192]. Zeolites can be used
as permeable barriers to adsorb contaminants from groundwater and mine water
as they pass to receiving environments. Overall, the separatory properties of
zeolites based on their molecular sieve structure, electrostatic fields, and polarity
enable their use for mine water treatment due to their contaminant separation and
removal abilities.

10.6 Concerns with Nanomaterial Use in Mine Water

10.6.1 Perceived Nanotoxicological Risks

10.6.1.1 Toxicity Inherent to Nanoscale

The perceived risks of applying nanotechnology to contemporary mine water issues
are inherent to characteristics and properties of materials at the nanoscale, and do
not differ markedly from those associated with the use of nanomaterials in other
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environmental applications. While nanoscale particles can be produced naturally by
forest fires, geochemical reactions or as biological or abiotic particulates in aquatic
systems, their distribution is usually limited in time and space [193]. Consequently,
concerns surrounding the application of engineered nanoparticles to mine water
issues are fuelled by the greater quantities and scope of use, as well as the
uncertainties of short- and long-term behaviour and effects of the nanomaterials
in the environment [194]. Production of anthropogenic nanoparticles and their
resultant availability in the biosphere are indeed increasing at a remarkable rate.
As of March 2011, 580 companies in 30 countries produced over 1,317
nanoparticle-based products from textiles to electronics to wound dressings
[195]. The unique physicochemical properties of nanoparticles have resulted in a
rapid expansion of their use, with nanoproduct development representing one of the
fastest growing sectors of the high-tech economy [196, 197]. A recent estimate is
that more than 40,000 tons of titanium nanoproducts were produced in the USA
alone, a figure which is projected to reach 2.5 million tons annually by 2025
[198]. With increasing production and application of nanoparticles into diverse
consumer products, their ultimate release to natural environments is inevitable
[199]. Concern regarding releases of nanomaterials to aquatic systems, both at
the consumer-level and through large-scale water treatment applications such as
mine water, is growing among the scientific, academic, industrial, and regulatory
community. As aquatic environments are the primary long-term sinks for
nanomaterials, uncertainties regarding their fate and ecological effects are consid-
erable [196, 197, 200].

Although the long-term impacts of the rapid and substantial loading of
engineered nanomaterials to aquatic environments are largely unknown and difficult
to quantify, they concentrate on the enhanced electrical, mechanical, and optical
properties for which nanoparticles are designed. These same properties, desirable
under the circumstances for which they were engineered, may elicit unintended
consequences upon release to the environment, as will be expanded upon in detail in
the following sections, but primarily revolve around three concerns. The first focus
on the unique surface-reactive properties of nanomaterials, which can lead to
unexpected consequences upon interaction with both abiotic and biological systems,
including the generation of reactive oxygen species [196, 193, 200]. Further, not
only are the materials themselves of concern, but the toxicity of ions dissolving off
metallic nanomaterials, depending on the environmental conditions, are sometimes
more toxic than the nanomaterials themselves [201]. Finally, nanomaterials in
aquatic environments may easily serve as conduits to increase the availability, and
hence potential for bioconcentration, bioaccumulation, and biomagnification of
trace contaminants within the environment and their transfer to higher trophic levels
[202, 203].

Although bulk materials themselves are well understood, when made progres-
sively smaller, their surface chemical reactivity increases, as does the complexity of
the processes regulating the nanoparticle surface chemistry upon contact with living
systems, making it challenging, but crucial, to understand and predict possible
toxicological effects [199, 204]. Complicating our understanding of these reactions
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is the reality that nanoparticles are highly heterogeneous with none having identical
size, shape, surface area or optical properties, although similar materials of similar
size exhibit similar behaviours [202]. Toxicity of nanomaterials varies greatly with
atomic composition, but to a large degree is contingent on whether the nanostruc-
ture is immobilized within or on the surface of a bulk material, or if they are free,
unbound particles. For unbound particles with diameters in the nanometre range,
nanomaterials and their degradation products are capable of great mobility within
natural environments and organisms [204].

In surface waters, the consequences of unintentional exposure, particularly over
the long term (as is the case with treated mine water discharges) is unknown. Most
of the growing body of literature on nanocontaminants has focussed on short-term,
acute toxicity assessments of nanoparticles to fish; however, it is likely that longer
term exposure at lower concentrations is more ecologically relevant [205]. Unfor-
tunately, few studies have investigated the consequences of long-term exposure to
environmentally relevant concentrations of nanomaterials, so little is known of their
chronic effects on aquatic organisms [196]. While much remains unknown, what
seems clear is the distribution and potential for exposure to insoluble nanoscale
particles of <50 nm is a new environmental phenomenon, which was non-existent
in the pre-industrial biosphere of mere centuries ago [204]. Consequently, organ-
isms have few, if any adaptive responses to accommodate exposure to
nanomaterials [204]. If the widespread application and distribution of these rela-
tively new products in consumer goods and potentially within water treatment
systems is translated into widespread exposure and incorporation into organisms,
potential nanotoxicity will be heightened by an inability to detoxify and/or remove
these nanopollutants, the impacts of which are almost completely unknown [202].

As nanotoxicology is a relatively new field of study, a majority of toxicity
investigations initially treated nanomaterials as if they behaved similarly to con-
ventional chemicals or their bulk-sized counterparts rather than considering their
distinctive physicochemical properties [202]. In not recognizing the unique surface
chemistries of nanomaterials, and changes in their reactivities with changing
environmental variables, many studies yielded inconclusive, controversial, and in
many cases, conflicting results [202, 206, 220]. While we largely understand the
properties of materials and/or chemicals at the molecular and bulk levels, there are
novel and often distinct properties of materials in the zone between “molecule” and
“bulk”, the nanoscale. Specifically, the highly reactive surfaces of nanomaterials
owing to their heightened surface area to volume ratios as well as wet biochemistry,
both confer unique potential utility to nanoscale molecules, but also a means
of interacting with biomaterials, which should be the focus of nanotoxicology
[203, 206]. For example, the total surface area of nanoparticles may be a more
sensitive metric for assessing the “dose” of nanomaterials than their mass, a
paradigm-shifting perspective that causes no end of grief for classically trained
toxicologists [204].

For example, Karlsson et al. [207] observed that CuO nanoparticles were much
more toxic to mitochondria than micrometer-sized CuO particles; however, no
size-related differences in toxicity were observed for iron oxides, with [208] also
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reporting no discernible correlation in vivo between primary particle size and
toxicity for TiO,. In contrast, Karlsson et al. [207] found micrometer particles of
TiO, caused more damage than TiO, nanoparticles, leading these authors to
conclude that nanoscale nanoparticles are not always more toxic than micrometer
particles. Such conclusions are common enough that Donaldson and Poland [209],
while recognizing there are changes in quantum size effects for some particles
at certain size thresholds, question the toxicological relevance of size changes.
Specifically, these authors ask what changes in toxicity endpoints must be linked to
nano-relative to macro-sized materials before we describe them as “nano-specific
effects”? In most cases, Donaldson and Poland [209] believe the toxicity of
nanomaterials is unlikely to differ from those established for larger particles.
With caveats, other authors agree, with Bae et al. [200] stating that “the paradigm
that smaller nanoparticles are more readily taken up, and thereby capable of
inducing toxicity relative to bulk forms, is too simplistic, and may not always be
true under specific experimental conditions (i.e. increased agglomeration reducing
bioavailability, thereby limiting toxicity)”.

Further complicating nanotoxicity assessments is the revelation toxicity from
ions dissolving off metallic nanomaterials, depending on the environmental condi-
tions, may be more toxic than the nanomaterials themselves. For example,
in assessments with the green algal species Chlorella, Zn** was more toxic than
nano-ZnO, which in turn was more toxic than bulk ZnO at concentration less
than 50 mg/L. However, nanoscale ZnO was most toxic to Chlorella (then Zn>"
then bulk ZnO) at concentrations >50 mg/L [210]. However, in other phyla TiO,
nanoparticles were more acutely toxic than their bulk counterparts to zebrafish
(Danio rerio), with the toxicity of ZnO nanoparticles and bulk ZnO being very
similar [211]. In studies conducted by Heinlaan et al. [212], both bulk and nano
TiO, were not toxic to any evaluated organism up to very high concentrations
(<20 g/L), while ZnO in bulk and nanoscales was toxic to bacteria and crustaceans,
but again only at very high (0.18-8.8 g/L LCso) concentrations. Such clearly
different experimental results with ZnO exposure across phyla also highlight
differences in species uptake and sensitivity. With greater surface area per unit
weight than their bulk counterparts, nanometal oxides such as ZnO, while having
superior performance in many engineered respects, may in fact differ in biological
availability, and hence toxicity, to different organisms depending on potential
uptake mechanisms [199].

While nanoparticle size and surface area are significant factors modifying
organismal uptake (and hence toxicity), rates of distribution and particle reactivity
in solution allow many nanoparticles to easily enter living organisms and produce
adverse reactions [193, 203]. Sun et al. [213] report that smaller nanoparticles
including AuNPs, TiO,NPs, SiO,, quantum dots, and carbon nanoparticles can
cross the placental barrier easier than larger ones, suggesting unique mammalian
susceptibilities potentially impacting early developmental stages relative to other
phyla. Female vertebrate populations are particularly vulnerable to nanotoxicity
as female hypothalamic-pituitary-ovarian axis, and foetal development appear
particularly sensitive to nanoparticles [213].
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Hydroxyl radical generation by nanoparticles are at least partially responsible, if
not the dominant mechanism of nanoparticle toxicity relative to bulk counterparts
[214]. However, malondialdehyde (MDA) generation, a metric of oxidative dam-
age in vivo, further illustrates the confusion surrounding size-dependent toxicity.
For example, MDA concentrations in liver were 204 and 286 % elevated in
zebrafish exposed to 5 mg/L ZnO NP and bulk ZnO respectively, suggesting bulk
ZnO was more bioavailable and exerted greater oxidative damage-mediated toxic-
ity than the nanoscale form [215].

10.6.1.2 Mechanism of Nanoscale Toxicity

(a) ROS-Induced Toxicity

A wide range of NPs such as iron oxides, fullerenes, and TiO, [197, 216],
aluminium oxide [217], and even talc and silica nanoparticles [217] and
chitosan nanoparticles [219] induce the generation of reactive oxygen species
(ROS). Many of these ROS, including singlet oxygen, superoxide anion, and
hydroxyl radical, are extremely reactive due to unpaired electrons in their outer
valence shells, conferring great reactivity, which is largely responsible for their
toxicity. There are four possible mechanisms postulated by which
nanomaterials may interact with biological tissue [220], the first three of
which are directly ROS-mediated, including:

1. UV activation of electron hole pairs leading to ROS generation.

2. Composition of the nanomaterial itself, whereby discontinuous crystal
planes and defects could generate active electronic configurations that
could form ROS radicals.

. Metals or metal coatings such as Fe could redox cycle forming ROS.

4. Dissolution of metal ions from particles to surrounding medium, which both

releases toxic chemicals, but will also potentially changes surface charge.

9]

However, even the fourth mechanism, while not directly linked to ROS
generation, may in fact also generate radicals indirectly in vivo. A prevalent
suggestion is that free metal ions released from NPs exert their toxicity, at least
in part, by crossing nuclear or mitochondrial membranes and reacting with
endogenously generated hydrogen peroxide via Fenton-type processes, in turn
inducing generation of highly reactive but short-lived ROS radicals such as
hydroxyl radical and superoxide anion [220, 221]. However, some NPs as
heterogeneous catalysts may have surface reactions that could generate ROS
even in the absence of free ion dissolution, but more often than not, ion
dissolution appears involved in nanomaterial toxicity, and it is the major postu-
lated mechanism of metal oxide toxicity [221]. For instance, the antibacterial
mechanism of AgNPs is related to the formation of free radicals and
ROS-mediated membrane damage, likely as a function of Ag ion dissolution
[200]. Silver nanoparticles and silver ions may in fact work synergistically to
promote microbial membrane damage, as the ions move into the cells and
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produce ROS, which in turn can increase cell permeability leading to
uncontrolled AgNP and cellular constituent transport across the cell membrane
leading to cell death [201]. A more than tenfold increase in ROS was observed
with 15 nm silver nanoparticles relative to 55 nm, suggesting silver cytotoxicity
is mediated by oxidative stress and AgNP size is critical [193]. Iron oxide
nanoparticles, releasing metal ions in vivo, have been demonstrated to induce
hydroxyl radical generation via Fenton-type processes under condoning biolog-
ical microenvironments (physiological pH, reducing agent presence, etc.),
which again damage plasma membranes leading to cell death. As alluded to
previously, naturally occurring talc and silica nanoparticles both generate ROS
to mediate their toxicity through oxidative stress as evidenced by lactate dehy-
drogenase leakage, lipid hydroperoxide increases, and depletion of reduced
glutathione, although it is unclear if dissolved ions mediate this toxicity in
any way [218].

Non-ROS-Mediated Toxicity

While ROS-mediated toxicity is a prominent concern associated with in vivo
nanoparticle exposure, nanomaterials can exert toxic effects by other significant
pathway as well. Numerous studies have found NPs can induce cellular
autophagy or cell death by free ion leaching, but these effects appear to be
highly dependent on the nature of the cells [222]. It has been experimentally
determined that negatively charged nanoparticles bound to fluid areas of a
plasma membrane-induced localized gelation, whereas positively charged
nanoparticles turned gelled areas into a fluid state for easier penetration. This
phenomenon explains why cationic particles are more toxic than neutral or
anionic analogues of the same size as positively charged NP surfaces induce
holes in plasma membranes, while neutrals or negatives do not [223].
Biophysical structural impairment induced by nanomaterials may be a signif-
icant mechanism of toxicity; for example, a plasma membrane may suffer rapid
strain-induced damage when nanomaterials bind, ion channels are blocked,
or holes introduced to membranes [223].

Silver nanoparticles and silver ions also work synergistically to promote
membrane damage in plants, although it is unclear if ROS mediates this toxicity.
What is clear is the dynamic equilibrium between dissolved and nanoparticle-
bound Ag allows the silver ions to be continuously replaced in solution as algal
cells assimilate free Ag* ions, with nanoparticles serving as a reservoir of Ag*
[224]. The efficient assimilation of Ag” by algae promotes further Ag dissolu-
tion from nanoparticles into solution, likely mediated by oxidation. Ironically,
Ag*-induced toxicity may be accelerated by the presence of algae due to their
production of H,O, as a metabolic product, which may be converted to hydroxyl
radical in the presence of Ag* [224]. Published rates of H,O, release are in
excess of estimated Ag* releases, lending support to this theory [224]. Although
only about 1 % of the silver in the algal media were present as Ag* ions, these
dissolved ions were 18 times more toxic than the Ag nanoparticles, suggesting
long-term toxicity is attributable to both the nanoparticles presence, and that of
their dissolved free ions [224]. Gene expression profiles reveal AgNPs and
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AgNO; (i.e. Ag® in solution) induce distinct expression profiles, suggesting
differing modes of toxicity [225, 226]. Other studies confirm nanoparticle metal
oxides such as ZnO and TiO, also exerted their algal toxicity through soluble metal
ions continuously released from these nanoparticles [200]. Similarly, it is the free
Cu”* ions dissolved from CuO nanoparticles, rather than the NPs themselves,
which inhibited cholinesterase activity in carp (Cyprinus carpio), suggesting the
potential neurotoxicity is largely associated with exposure to the free metal species
[205]. Aluminium oxide nanoparticles which leached aluminium ions after 48 h
also crucially mediated toxicity in the freshwater crustacean Ceriodaphnia dubia
[217]; however, other studies utilizing these and other metal oxide nanoparticles
found negligible toxicity associated with ions dissolved from these nanoparticles
to a suite of waterborne microorganisms [227].

Protein interactions with nanomaterials are another significant source of
in vivo toxicity. As the dimensions of a nanoparticle are on par with that of a
large plasma protein, several lines of evidence suggest the topographical
features of NPs permit interactions with proteins in non-trivial ways
[228]. For example, the formation of nanoparticle:protein complexes could
enhance transport of nanoparticles, making them accessible to sites where
larger particles could not reach. For many charged nanoparticles, especially
those approximately the size of protein molecules, the interaction of proteins
with their surface charges can alter the proteins’ configuration, changing
tertiary and quaternary structure, leading to loss of function or catalytic
activity [204]. Conversely, smaller nanoparticles with their larger surface
areas can enhance protein degradation, again leading to functional changes
which do not occur with interactions on the relatively smaller surface areas of
larger particles and bulk materials [193]. High and potentially deleterious
local protein concentrations may result from proteins binding to nanoparticles
by avidity effects, the sum total of the interactions between molecules at
multiple binding sites [229]. Avidity effects are distinct from affinity, which
is the strength of the interaction of one molecule with another at a single
binding site, arising from close spatial repetition of the same protein. How-
ever, it is also possible proteins interacting with nanoparticles could produce
co-operative effects such as promotion or inhibition of protein fibrillation or
self-assembling of amino acid residues on a macromolecule serving as a
template, such RNA. The large surface areas and high reactivity of
nanoparticles also permit them to negatively interact with proteins and
nucleic acids, thereby producing long-term adverse effects on living organ-
isms [203]. Such interactions with DNA may be by direct intercalation or
physical and/or electrochemical interactions, but recent evidence suggests
nanoparticles may not necessarily need to permeate the cell nucleus to induce
genotoxicity as this can be accomplished by ROS inducing oxidative stress
within or adjacent to the nuclear membrane [204]. There are numerous and
diverse means postulated whereby nanomaterials may exert toxicity together
with, or independent of, ROS generation that do not fall cleanly into the
preceding categories. Most nanoparticles stimulate the immune system, at
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least to some extent, and elicit an inflammatory response (often including
ROS generation) through the abnormal secretion of cytokines, while other
nanopartoicles, such as cerium oxide, significantly suppress inflammation
and ROS generation [193]. Due to surface charges, nanoparticle uptake by
immune cells (monocytes, macrophages, leukocytes) may lead to inflamma-
tory responses [193]. Such immune activation by nanomaterials may pose
a carcinogenic risk, triggered by ROS released by macrophages attempting
to destroy foreign material at the inflammation site, leading to DNA damage
[223]. Nanometals are further suspected of inducing sublethal effects includ-
ing respiratory toxicity, disturbances to trace element equilibriums in tissues,
and inhibition of Na*K*ATPase activities [196]. For example, exposure of
zebrafish to TiO, NPs produced oedema and thickening of the gill lamellae,
likely as a physical irritation response, but interestingly, increased Cu and Zn
concentrations in the brain, clearly reflecting their uptake at the gill epithe-
lium, but also their disruption of endogenous trace metal homeostasis
[230]. Na*K*ATPase activity was suppressed in the gills and intestine,
while 2-thiobabituric acid reactive substances (TBARS), a metric of plasma
membrane peroxidation, were elevated in the gill, intestine, and brain with
exposure to TiO, NPs, suggesting cell membrane damage may have been
linked to the increase in trace metal (Cu and Zn) concentrations [230].

10.6.1.3 Mine Water Conditions Mediating Nanotoxicity

The behaviour of NPs under real-world conditions has been under-investigated
relative to laboratory simulations, but are known to be strongly influenced by the
presence of NOM and salinity, which affect agglomeration, deposition, and adsorp-
tion [201]. The toxicity of nanomaterials may differ from their reactivity due to
atomic composition, surface charge, particle agglomeration, and in natural systems,
how these factors vary with environmental pH, presence of charged ions in solution,
and through interactions with biomolecules in vivo [201]. For instance, ZnONPs
and TiO,NPs are more cytotoxic in the presence of sunlight, but cytotoxicity is
ameliorated by the presence of humic acids [231]. Similarly, the potential toxicity
of nanoparticles in mine waters is likely mediated by the interaction of the mine
waters’ and nanomaterials’ physicochemical properties. Size, agglomeration rate
(which decreases with increasing particle size), and adsorption properties towards
dissolved and suspended organic material all determine the fate and ability of
nanomaterials in mine water to interact with abiotic and biotic entities in receiving
environments [201]. It is widely recognized that nanoparticles in a biological or
environmental context never consist of “bare” particles as they rapidly contact
atoms, atom clusters, single molecules, and macromolecules, which bind to the
surface of the molecule and thereafter reflect the properties of the complex, rather
than the pre-existing nanomaterial [204]. For example, in a biological environment
where proteins are present, they will form a surface layer known as a corona
that will ultimately define the surface properties of this new “particle + corona”
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compound [204]. Consequently, to understand a particle’s nanotoxicity, it is
necessary to understand both the particle and its interactions with its environment.
Natural organic material (NOM) likely rapidly coats NPs discharged into aquatic
environments, which influences their availability and relative toxicity to aquatic
organisms. This is well illustrated by both dissolved and suspended humic acids,
when bound to surfaces of nanoparticles, greatly reduced their bonding to algal
cells by increasing electrostatic repulsion [206]. As humic acids are the main NOM
in environments impacted with mine water, their tendency to absorb or chelate
metals, hydrous metal oxides, and multivalent cations to both alkyl and aromatic
units of their humic acid skeleton suggests their presence will significantly affect
both nanoparticles and metal pollutants within mine water. However, this relation-
ship is dependent on pH, as many nanoparticles are negatively charged, or nearly
uncharged at higher pH values [201]. Mechanisms underlying the myriad of
potential interactions between nanoparticles and living systems are not yet fully
understood, and may well never be. This complexity is largely due to the particles’
ability to bind and interact with many forms of biological matter, and to change
their surface characteristics, depending on the environment they are in [204].
Even particles of the same material can show completely different behaviour, and
often toxicities, with slight differences in surface coating, charge, size, and espe-
cially environment [204].

10.6.2 Risk of Nanoparticles as Pollution Vectors

Untangling the mechanisms underlying the transport of contaminants in natural waters
by colloidal particles is analogous to untying the mythical Gordian knot. Typical
environmental colloids are nanoparticles consisting of silicates or oxides, organic
colloids such as humic substances or polysaccharides, and biological particles
(bacteria, viruses). Point source discharges such as municipal wastewater treatment
plants, industry, and mine water are significant contributors of environmental colloids,
which continually perfuse aquatic environments and expose biota with
nanopollutants. However, the vast majority of nanomaterials in wastewater or in
natural environments are retained among the biosolids and sediments [216]. Biosolids
and sediments, in turn, can serve as a reservoir for non-point source, pulsatile
nanomaterial release to surface waterways during rain events [195, 200, 216].
Considering how ubiquitous waterborne nanoparticles are in contemporary natural
systems influenced by human activities, it is not surprising that they also influence the
transport of other contaminants in the environment. However, the addition of signif-
icant quantities of engineered nanomaterials to aquatic systems may influence the
migration of contaminants well beyond the role of natural nanoparticles or colloids,
likely as highly efficient contaminant transport conduits. Traditionally, non-volatile
contaminants within ground, surface, and mine waters are shuttled between the
two-phase system of water and sediments by natural or anthropogenic nanoconduits
linking the mobile aqueous phase and an immobile solid phase [232]. Sparingly
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soluble or strongly adsorbing contaminants partition primarily to the later phase, and
should, therefore, be sparingly detected in mine water. However, when
contaminants interact with colloids in the aquatic phase, there is the formation of
“pseudocolloids” or “eigencolloids” (“real colloids”, or “intrinsic colloids™)
[233]. This leads to even sparingly soluble and strongly adsorbing contaminants
becoming mobile, seemingly against the dictates of their individual physicochemical
properties [232]. Conversely, dissolved contaminants may be removed from water and
immobilized by adsorption onto colloids, which may aggregate leading to their
sedimentation, thereby serving as a form of water treatment.

10.7 Concluding Remarks

Adopting nanotechniques for the monitoring and remediation of mine water pollution
can radically reduce complexity, as well as material and energetic requirements
relative to traditional approaches. Nanomaterials are uniquely surface-active due to
their extensive surface area to volume ratios, which confer expansive active sites for
sensing and/or binding proximal elements and compounds. Utilizing these unique
attributes, specific nano- and biosensors can be developed to rapidly identify biolog-
ical and chemical substances through variations produced upon interaction that alter
physicochemical properties. Proximal sensing and signal change abilities, long-term
stability, high adsorption efficiencies, extraordinary sensitivities, tuneable selectivity,
and reusability are some of the highly desirable and useful attributes of engineered
nanomaterials which facilitate their incorporation into a large suite of mine water
treatments and sensors. As a result, nanosensors are expected to contribute to novel,
revolutionary mine water applications, facilitating early and accurate detection of
environmental pollutants. It follows that nanosensors, and nanoremediation have the
potential not only to reduce the overall costs of cleaning up large-scale abandoned
mining and processing sites but also to reduce clean-up time, eliminate the need for
treatment and disposal of contaminated sludge, and reduce some contaminant con-
centrations in situ. Substantial initial investment would be needed to incorporate or
switch to nanotechnology-based mine water treatments. However, once adopted, these
techniques could considerably lower mine water treatment costs over the long term.
Unfortunately, large-scale application of nanotechnology within mine water manage-
ment has been extremely limited, as techniques are currently largely constrained to the
bench-scale. However, it is anticipated that within the next two decades, such real-
world applications will be more commonly adopted, as has been the paradigm in other
fields. Prior to the wholesale adoption of large-scale nanotechnology-based mine
water projects, further toxicological studies, including assessments of potential envi-
ronmental impacts, must be considered. Relative to bulk material toxicity evaluations
for which much is known and which have been well standardized against mass-based
dose metrics, nanotoxicity assessments suffer from a paucity of data, and are made
more complicated by the need to consider the influences of material, size, shape,
surface charge, coating, dispersion, agglomeration, aggregation, concentration, and
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matrix effects. Proper evaluation of materials used in nanoremediation, particularly
full-scale ecosystem-wide studies, needs to be conducted to prevent potential adverse
environmental impacts.
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