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Foreword

To what extent is knowledge about the plant litter decomposition process in streams
important to the scientific community?Whoever reads this book probably knows that
primary production in streams flowing through forest areas is limited, as a conse-
quence of the scarcity of light under the tree canopy and the low concentration of
dissolved nutrients. In contrast, unidirectional flows promoted by gravity move great
amounts of dead plant organic matter from the terrestrial environment to the stream
(vertical and lateral inputs) and within the stream (downstream transport). This plant
litter represents the energetic basis to foodwebs in many streams, which are widely
recognised as heterotrophic systems. The retentive capacity of a stream together with
a series of physical, chemical and biological factors, determine the efficiency with
which plant litter is used by detritivores and decomposers, its consequences on biodi-
versity, productivity and nutrient dynamics, and its interaction with global change
drivers such as pollution and climate change. In consequence, it is not surprising that
the plant litter decomposition process has attracted the attention of stream ecologists
for decades.

The study of plant litter decomposition in stream ecosystems greatly developed
since the last quarter of the past century, after the publication of several concep-
tual works that highlighted the relevance of terrestrial organic matter to stream
functioning. Among these, “The stream and its valley” (Hynes, 1975) and “The
river continuum concept” (Vannote et al., 1980) are worth mentioning. Later on, the
impressive growth of research teams and scientific publications on this topic culmi-
nated in the organization of the first specialised scientific meeting in 1997: the Litter
Breakdown in Rivers and Streams meeting (later renamed as Plant Litter Processing
in Freshwaters, PLPF), which was held in Bilbao (Spain). The first edition was
followed by others in Lunz (Austria, 1999), Szentendre (Hungary, 2002), Toulouse
(France, 2005), Coimbra (Portugal, 2008), Cracow (Poland, 2011), London (United
Kingdom, 2014) and, again, Bilbao (2017), coinciding with the 20th anniversary
of the first meeting. The 9th edition should have already been celebrated in Braga
(Portugal), but the Covid-19 pandemic has temporarily prevented it. These events
have regularly and succesully joined together scientists from all over the world,
demonstrating that the study of plant litter decomposition in streams continues to
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vi Foreword

attract great attention from researchers, and underscoring the crucial role that this
process has for our planet’s biogeochemistry.

The PLPF meetings have been fruitful not only in sharing scientific findings,
but also in promoting collaboration among scientists from around all the world, all
working on plant litter decomposition but from different perspectives and scales,
from molecular to global. This book is proof of such outcome: while not being
the proceedings of a PLPF meeting, its idea came to light in the last meeting held
in Bilbao. As a result, a selected group of experts has produced this state-of-the-art
compendium, which reviews the basic knowledge and the progress being made in the
last few decades about the process of plant litter decomposition in stream ecosystems,
in the face of a changing world. Now it’s time for you to enjoy it, learn from it and
put it into practice!

Bilbao, Spain Jesús Pozo
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Chapter 1
The Ecology of Plant Litter
Decomposition in Stream Ecosystems:
An Overview

Christopher M. Swan, Luz Boyero, and Cristina Canhoto

Abstract The decomposition of plant litter of terrestrial origin is a key process for
the functioning of many stream ecosystemswith notable relevance for global biogeo-
chemical cycles. The process has received much attention in the literature but, since
the iconic paper of Kaushik and Hynes (1971), we lack a comprehensive review of
its patterns of variation and drivers. This book provides an updated compendium of
the ecology of plant litter decomposition in streams, through 22 chapters grouped in
four sections that focus on (I) the analysis of the patterns and drivers of decomposi-
tion, the importance of (II) biodiversity and (III) multiple aspects of global change,
and (IV) the methodological approaches used to study litter decomposition and its
applications. By summarizing decades of fruitful research, we hope this will be a
reference textbook for ecologists and students that will stimulate further research
and promote collaboration among researchers in this field.

Ninety percent of the global terrestrial plant biomass production ends up entering
the detrital pool, supporting detritus-based food webs in both terrestrial and aquatic
ecosystems (Gessner et al., 2010). Understanding how this organic matter is
processed within ecosystems is of utmost importance, not only because this process
underlies fundamental ecosystem services (Mancinelli & Mulder, 2015), but also
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because it determines the amount of carbon (C) that is mineralized or sequestered,
and hence potential feedbackswith the global climate (Heimann&Reichstein, 2008).

Stream ecosystems are estimated to receive, process, and transport nearly 1.9
Pg of terrestrially-derived C per year globally (Cole et al., 2007). Many streams
rely on this allochthonous source of C for the maintenance of their food webs and
various functions, given that primary production is often severely limited, due to the
combination of high riparian shading and low nutrient availability (Vannote et al.,
1980). In consequence, ‘the fate of dead leaves that fall into streams’ stands out as
a major topic in stream ecology, that served as title for the seminal contribution of
Kaushik and Hynes (1971), and was recently revisited in Jane Marks’ review paper
(Marks, 2019).

This book intends to provide a comprehensive, contemporary compendium of the
patterns (Part I), factors (Parts II and III) and approaches (Part IV) that govern the
process of plant litter decomposition in streams, adding up to the several reviews
available in the literature (e.g., Barlöcher & Sridhar, 2014; Boulton & Boon, 1991;
Gessner et al., 1999; Graça et al., 2015; Marks, 2019; Royer & Minshall, 2003;
Tank et al., 2010; Webster & Benfield, 1986), but going into much more detail, as
allowed by a book format. The last few decades have seen an explosion of research
addressing key questions about the ecological interactions at play in this process. A
plethora of basic and applied ecological questions have been tested using plant litter
decomposition as a study system, solely guided by a comprehensive book focused on
litter decomposition methodological approaches, which has been recently re-edited
(Bärlocher et al., 2020). The need for a complementary, more theoretical and updated
approach was thought to be needed and is the rationale for this book.

The book integrates the many authors that shared and/or received the inputs
of a common road of high-quality investigations presented and discussed in cozy,
highly interactive and scientifically fruitful meetings—“Plant Litter Processing in
Freshwaters” (PLPF). These triennially held meetings joined stream ecologists from
all over the world and clearly contributed to stimulate stream ecological research,
litter decomposition in particular, constituting grounds for the 22 chapters presented
herein.

The expression “(plant/leaf) litter decomposition” is transversally used in this
book by all authors. The majority of the book covers stream ecosystems, with a main
focus on permanent headwater streams flowing through forested areas, because these
are the streams thatmost rely on allochthonous plant litter as theirmain energy source
(Vannote et al., 1980). However, some chapters deal with other types of streams
(e.g., intermittent rivers and ephemeral streams), and some describe decomposition
in terrestrial ecosystems for a comparative view.

This book is divided into four Parts that focus on different aspects of the plant
litter decomposition process, namely its patterns and drivers (Part I), the role of
biodiversity on litter decomposition outcomes (Part II) and on the consequences
of the multiple facets and dimensions of global change on the process dynamics
(Part III); the last Part considers the importance of methodological approaches and
applications of this vital process, calling the attention to more mechanistic and future
prospects of the presently used litter decomposition assessments and as a central
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tenet for human wellbeing (Part IV). We hope that this compendium of chapters,
which overall review the knowledge on plant litter decomposition in streams that has
resulted from decades of research, can serve as a reference textbook for ecologists
and students. Furthermore, we hope that this book can stimulate further research,
new lines of inquiry on this topic and promote collaboration among researchers in
this field.
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Chapter 2
Multi-Scale Biophysical Factors Driving
Litter Dynamics in Streams

Alan M. Tonin, José F. Gonçalves Júnior, Richard G. Pearson,
Manuel A. S. Graça, Javier Pérez, and Luz Boyero

Abstract Terrestrial litter that decomposes in streams is critical to carbon and
nutrient fluxes and aquatic food web dynamics. Litter dynamics is influenced by
biogeochemical, morphological, environmental and climatic factors, making it chal-
lenging to understand how these factors relate to each other and to litter decom-
position across different spatial scales. Here, we present a hierarchical framework
that accommodates the links among a wide variety of local and regional factors (e.g.,
litter quality, water chemistry, flow) in relation to climate, geology, biogeography and
phylogeny. These factors ultimately influence the agents or processes (e.g., microbes,
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detritivores, physical fragmentation, retention capacity) that govern litter inputs,
storage and decomposition in streams. This framework highlights the dependence
of litter dynamics on spatial scale and cautions against extrapolations across scales
without quantifying the influence of biophysical variables on the different agents and
processes. The framework can be used as a basis for experimental and observational
studies of those interactions to develop broader mechanistic understanding of litter
dynamics.

2.1 Streams as Hotspots of Organic Matter Processing

Freshwaters (i.e., wetlands, estuaries, lakes, rivers and streams) comprise only 0.01%
of the Earth’s water and approximately 0.8% of its surface area (Gleick, 1996).
Yet this small fraction of global water supports a disproportionately high diver-
sity of plants and animals (Dudgeon et al., 2006) and significantly contributes to
the carbon cycle, at both regional and global scales (Cole et al., 2007; Hotchkiss
et al., 2015; Raymond et al., 2013). Within fresh waters, 1st to 3rd order streams
comprise over 75% of river network length (Raymond et al., 2013) and are closely
linked to the terrestrial landscapes, so they are hotspots of organic matter processing
because of the large amounts of terrestrial organic matter they receive, their typically
low in-stream primary production, their high retentive capacity and their efficient
decomposer communities (Battin et al., 2008).

Forest streams are typically net heterotrophic ecosystems, where overall stream
respiration surpasses primary production (limited by riparian shading) and secondary
production is fuelled by inputs of terrestrial organic carbon (Hall et al., 2000; Neres-
Lima et al., 2017). Riparian vegetation, which supplies large amounts of plant litter
streams and riparian soils (Tonin et al., 2017), also reduces light penetration and
primary productivity in the stream, and may reduce water temperature extremes
during the hottest and coldest periods of the year. The decomposition of this plant
litter is the basis of key stream ecosystem processes, namely nutrient and carbon
cycling and secondary production (Marks, 2019;Wardle et al., 2004). However, there
are major gaps in our knowledge of organic matter dynamics in streams (e.g., timing
andmagnitude of inputs and biophysical factors acting on decomposition), especially
in understudied areas of the world such as the tropics. For instance, little is known
about the connection of litter fluxes with the otherwise well-known decomposition
process, with only a few studies evaluating the inputs and outputs of litter (e.g.,
Fisher & Likens, 1972, 1973; Pozo et al., 1997; Webster & Meyer, 1997), despite
their relevance for global carbon and nutrient cycling.

2.2 Dynamics of Litter Inputs and Storage in Streams

Terrestrial organic matter that enters streams is generally classified as coarse partic-
ulate organic matter, CPOM (>1 mm); fine particulate organic matter, FPOM
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(0.45 µm–1 mm); and dissolved organic matter, DOM (<0.45 µm) (Webster et al.,
1999). This material reaches streams via direct fall or lateral transport from the
riparian zone. Most material is senescent, although large quantities of green leaves
may reach streams in the tropics after storms (Wootton et al., 2019). In this chapter
we focus on leaf litter because it is the dominant plant litter flux in streams (>60% of
total fluxes of streams from different biomes, Abelho, 2001; Tonin et al., 2017), it is
renewed annually, it hasmore rapid decomposition thanwoodymaterial (Neres-Lima
et al., 2017; Wallace et al., 1997) and it is the focus of most studies of decomposition
in streams.

Litter falling from trees as a result of abscission or storm damage (hereafter
‘litterfall’) may reach the stream directly, but most litter falls to the ground, given
its much larger area than that of streams. A proportion of this litter eventually is
transported to streams by wind, water, gravity or animals, constituting lateral inputs
to the stream. Although neglected in some litter studies, lateral inputs may represent
a high proportion of total litter inputs to the stream (e.g., up to 55% in several tropical
streams; Tonin et al., 2017), but not all streams (e.g., < 7%; Benson&Pearson, 1993).
Lateral inputs and litterfall may differ in nutritional quality for stream consumers
depending on the residence time on riparian soils, where litter undergoes physical
and biological degradation (e.g., García-Palacios et al., 2016). Litter may also enter
a stream reach by transport within the stream, here termed ‘upstream input’.

After litter enters a stream, it can be retained by in-stream structures (e.g., rocks,
roots, logs), increasing its residence time and enhancing decomposition by leaching
and consumption by microbes and invertebrates. Litter may be redistributed or
removed from streams by floods, although a considerable proportion may remain
in pools, backwaters and debris dams. It may also be buried in sediments (e.g., in
the hyporheic zone—the interface between surface stream and groundwater; Boulton
et al., 1998). Here we refer to retained material as ‘storage’. Litter accumulates in
the streambed when inputs (i.e., litterfall, lateral inputs and upstream inputs) are
higher than outputs (i.e., downstream transport and litter decomposition). The most
complex of these litter fluxes is loss of litter mass by decomposition, resulting from
chemical, physical and biological agents and their interactions.

2.3 Mechanisms of Litter Fluxes in Streams: Local
and Regional Scales

Here, we present a framework describing the connections among litter inputs, storage
and decomposition. We use a hierarchical spatial perspective to outline the links
between biophysical factors that influence litter dynamics at different scales, like
other frameworks of decomposition (Graça et al., 2015; Royer&Minshall, 2003), but
differing in the inclusion of key related processes, components and the complexity of
interactions across scales (Fig. 2.1). The framework is structured across three spatial
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scales: regional, which accommodates variation in geology, climate and biogeog-
raphy; local, including, for example, stream morphology, water quality and riparian
vegetation identity; and fine, the scale at which many biophysical agents, such as
litter fall, leaching, fragmentation consumption influence litter storage and decom-
position. Most interactions within scales are not shown for simplicity (e.g., flow
and stream morphology). The different components of the framework are described
and expanded in the following sections. The framework is not explicitly linked to a
particular timeframe, and could be applied at any time scale, from instantaneous to
monthly, annual or multiannual.

2.3.1 Litter Inputs

Litter inputs are influenced by a variety of factors and their interactions, including
litter phenology and production, stream and streambank morphology, precipitation,
wind, retention capacity of streams and water flow. Firstly, litter production deter-
mines the amount of litterfall and depends on forest physiognomy, plant species
diversity and vegetation composition and phenology, which are shaped by climatic
factors, geomorphology, soils, and plant phylogeny and biogeography. Litter fall is
caused by natural abscission (to conserve water or photosynthetic efficiency) and
storms, which may release leaves, fruits, flowers and wood, especially in tropical
regions (Benson & Pearson, 1993; Covich, 1988). Greater litterfall is expected in
productive forests, which occur mostly on fertile soils and in warmer and wetter
environments, such as rainforests (which also harbor higher plant diversity), than
in less productive forests on infertile soils or in environments limited by water or
temperature, such as cold dry forests, although the extended lifespan of leaves of
evergreen tropical trees may reduce the inputs.

Secondly, streambankmorphology (e.g., heterogeneity and slope) regulates lateral
litter transport to the stream through its retention capacity, in relation to topography,
hydrology (Leopold et al., 1992), and interactions with riparian vegetation. The
heterogeneity of the streambank is determined by the presence of obstacles that
hamper litter transport to the stream, such as depressions in the ground, living and
dead trunks and buttresses, exposed roots, rocks and saplings and other small plants.
Bank slope influences litter transport as steeper slopes facilitate litter movement
by combinations of gravity, wind and enhanced surface runoff, especially during
heavy rainfall. Thirdly, stream morphology and water flow affect litter inputs from
upstream, through transport and retention mechanisms.

2.3.2 Litter Storage

The amount of litter stored on the streambed is regulated by interactions among three
main factors: litter inputs, retention capacity of streams and litter decomposition.
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Firstly, litter inputs would increase litter storage linearly if a stream retained all
inputs. This might occur during periods of very low flow, but is otherwise unlikely
because of high stream heterogeneity and the variable influence of flow and retention
capacity.

Secondly, retention capacity determines litter storage as it reduces instream trans-
port. The retention capacity of a stream is a function of stream morphology (e.g.,
width, depth, slope, sinuosity), water flow, substrate (including the type, size and
quantity of retentive structures such as rocks and fallen tree trunks or branches, which
may remain in the stream for years; Díez et al., 2000; Wallace et al., 1995), stream-
bank structures (including roots and living trunks), and their interactions. Stream
morphology is determined by geomorphological and hydrological processes, as well
as riparian vegetation, which can provide flow resistance and increase bank strength
by means of roots and woody debris (Hupp et al., 2016). Volume and velocity of
water flow are influenced by precipitation and cross-sectional area and slope of
the stream, which can determine whether retention structures are over-topped, and
whether the stream has power to dislodge material from retention structures. In
general, the retentive capacity of the streambed increases with substrate size—for
example, boulders and cobbles are more efficient in retaining litter than gravel and
sand (Jones, 1997). Large wood may greatly increase retention by redirecting flow
and physically retaining litter directly or in pools.

Thirdly, litter decomposition decreases litter storage through the transformation
of coarse litter into fine and dissolved material (Gessner et al., 1999), which is more
easily transported by water flow, buried in the sediments (Webster et al., 1999) or
incorporated into microbial and animal biomass. The components affecting litter
decomposition are explored below. In summary, high retention is expected in small,
shallow, sinuous and low-gradient streams; in low-flow conditions; and in streams
with large substrates, high litter inputs and low decomposition rates. Retention is
determined by the interactions among these variables.

2.3.3 Litter Decomposition

The processes that contribute to litter decomposition and affect its rate are leaching,
physical fragmentation, microbial processing and detritivore consumption (Gessner
et al., 1999; Marks, 2019).

2.3.3.1 Leaching

Leaching is the dissolution of water-soluble compounds from litter and may account
for up to 40% of mass loss within a week of immersion, with the greatest loss
typically occurring in the first 24–48 h (Gomes, 2015; Taylor & Bärlocher, 1996).
However, greatest mass loss due to leaching may occur during the first 10 days of
immersion in litter from some tropical plants (Gomes, 2015). Leaching is influenced
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by litter quality, and water chemistry, temperature, velocity and turbulence. Firstly,
litter quality includes nutrient content (especially nitrogen and phosphorus), carbon
recalcitrance (due to high content of lignin, cellulose and hemicellulose) and content
of secondary metabolites (e.g., repellent or toxic substances such as phenols used
in protection or competition by living plants). The degree of leaching may be deter-
mined by the concentration of soluble components, especially nutrients, low-mass
carbon molecules and some secondary compounds, and their resistance to dissolu-
tion. For example, thick litter cuticles and superficial waxes may slow the dissolution
of soluble compounds (Kuiters & Sarink, 1986; Schreeg et al., 2013). Litter quality is
determined by the species composition of riparian vegetation and their physiological
and morphological traits, which are influenced by climate, landscape, biogeography
and phylogeny (Boyero et al., 2017; Siefert et al., 2015). Importantly, apparently
similar plant communities may differ in litter quality as a result of soil character-
istics (via different nutrient resorption efficiencies; Vergutz et al., 2012) or species
interactions (e.g., competition for nutrients; Casper & Jackson, 1997).

Secondly, water chemistry affects leaching through variation in pH, hardness and
mineral concentrations (Essington, 2005). Water hardness and mineral concentra-
tions may affect different chemical compounds in different ways (e.g., polyphenols
bind to hard-water minerals; Gebely, 2016).Water chemistry relates to lithology (i.e.,
characteristics of parent rock), soil properties and riparian vegetation (through regula-
tion of dissolved inorganic and organic molecules). Thirdly, water temperature influ-
ences the solubility ofmolecules in thewater (Chergui&Pattee, 1988).Water temper-
ature is driven primarily by climate (through solar radiation), but riparian canopy
density is also important in affecting stream shading. Finally, water flow enhances
dissolution of water-soluble compounds. In summary, greater leaching is expected
in litter with higher amounts of water-soluble compounds and lower protection from
dissolution (e.g., absence of superficial waxes and low carbon recalcitrance), and in
alkaline, warmer, faster and more turbulent waters. However, leaching is the least
studied component of decomposition but compelling evidence of its importance is
limited.

2.3.3.2 Microbial Decomposition

Fungi and bacteria are important contributors to decomposition and may have
complementary roles (e.g., fungi facilitate the penetration of bacteria into leaf tissue).
Fungi represent the largest proportion ofmicrobial biomass (Findlay&Arsuffi, 1989;
Hieber & Gessner, 2002). The contribution of microbes to decomposition is deter-
mined by biogeography and phylogeny, water temperature, water chemistry and litter
quality. Firstly, biogeography and phylogeny may be responsible for community
composition of fungi and bacteria (and, thus, different efficiencies in degrading leaf
litter carbon), although there is controversy about the relative roles of the legacies of
historical events (e.g., dispersal limitation and past environmental conditions) versus
contemporary environmental conditions in shaping their communities (Martiny et al.,
2006; O’Malley, 2007). Secondly, water temperature influences microorganisms by
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regulating the distribution of species (Dang et al., 2009), their metabolic and sporu-
lation rates and their biomass (Ferreira &Chauvet, 2011). Thirdly, microbes increase
their activity and biomass with increased availability of dissolved nutrients (through
the maximization of carbon intake; Suberkropp & Chauvet, 1995), pH and alkalinity
(by increasing the activity of different enzyme types associated with leaf softening
and maceration; Chamier, 1987; Jenkins & Suberkropp, 1995). Microorganisms also
performbetter in softer litter,which ismore susceptible to enzymatic degradation, and
in litter that is rich in macro and micronutrients (such as calcium and magnesium)
and not chemically defended (Schneider et al., 2012). Additionally, the selective
feeding activity of detritivores on litter may affect microbial diversity and biomass
by consuming some fungal species and rejecting others (e.g., Arsuffi & Suberkropp,
1989; Barlocher, 2005).

2.3.3.3 Fragmentation by Detritivorous Invertebrates

Detritivorous invertebrates are key organisms in litter decomposition, often respon-
sible for a large proportion of total litter decomposition (e.g., 51–64% of litter mass
loss; Hieber &Gessner, 2002), although this proportion is generally lower in tropical
streams (Boyero et al., 2015; Gonçalves et al., 2007; Tonin, Hepp, et al., 2018). They
consume litter directly and produce large amounts of FPOM via maceration and
defaecation (Graça, 2001), which is consumed by other invertebrates (Cummins &
Klug, 1979). Decomposition is affected by detritivore biogeography and phylogeny,
water temperature,water chemistry, litter quality,water flowand streambed substrate.
Large-scale drivers such as biogeography determine detritivore species distributions.
For example, some taxa are more abundant and diverse in particular biogeographic
realms (Boyero et al., 2011), including high abundance and diversity of caddisflies
in the Australian realm; beetles in the Neotropics; and stoneflies and amphipods
in the Palearctic. Detritivore contributions to decomposition tend to increase with
their density, biomass and diversity (e.g., Jonsson &Malmqvist, 2000; Tonello et al.,
2016; Tonin et al., 2014). Although detritivore density and diversity are typically
higher in colder climates (Boyero et al., 2011), high biomass of efficient detritivores
may compensate for lower diversity in some tropical streams (Cheshire et al., 2005;
Tonin et al., 2014). Detritivore community composition may also have an effect
on decomposition, mostly through the presence of efficient consumers (e.g., some
caddisflies, stoneflies or amphipods; Tonin et al., 2014). Sometimes overlooked in
studies of decomposition by detritivores are the larger crustaceans, which may be
particularly abundant in tropical streams but not always clearly accounted for in field
and laboratory experiments (Cogo & Santos, 2013). These animals may be of high
biomass compared with insects and important consumers of litter in many systems
(e.g., Coughlan et al., 2010; Crowl et al., 2001; Moulton et al., 2010).

Water chemistry may also shape detritivore communities. For example, some
caddisfly and amphipod species are sensitive to acid waters (e.g., Dangles et al.,
2004; Herrmann et al., 1993), whereas stoneflies are tolerant of them (e.g., Dangles
& Guérold, 1999). Litter quality influences the consumption rates of detritivores
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and their C:N:P ratios, growth and survival (e.g., Graça et al., 2001; Tonin et al.,
2017). They usually prefer litter that is soft and nutrient-rich (including macro and
micronutrients), with low concentrations of secondary metabolites. Water flow and
streambed substrate may also regulate detritivore distribution within streams, as
different species occur in different substrate types (rocky vs. leaf litter substrates;
Cheshire et al., 2005) and detritivores usually aggregate in areas of high litter accumu-
lation, frequently in pools or backwaters, or behind retention structures (Heino et al.,
2004). Therefore, litter storage and its spatial distribution often influence detritivore
contribution to decomposition (e.g., Tonin, Hepp, et al., 2018). Finally, detritivores
typically benefit from microbial colonization of litter (i.e., microbial conditioning;
Casotti et al., 2019), because microbes increase the nutritional quality of litter and
convert indigestiblematerial intomore labile compounds (Bärlocher, 1985), although
fresh green leaves are consumed in some situations (Wootton et al., 2019).

2.3.3.4 Physical Fragmentation

Physical fragmentation is an important component of litter decomposition, but it
can be difficult to separate its effects from those of other components, particularly
from detritivore-mediated decomposition (Rader et al., 1994). Physical fragmen-
tation depends on litter toughness, flow and flow-substrate interactions (Fonseca
et al., 2013; Hoover et al., 2006). Litter toughness is increased by high concentra-
tions of lignin, cellulose and hemicellulose. Flow affects physical fragmentation by
abrading the litter surface with suspended particulate material, especially small parti-
cles, which are more likely to be transported by the current (Ferreira et al., 2006;
Heard et al., 1999). Flow also causes turbulence, which may increase shear stress
and enhance litter fragmentation, but there is limited information on this process.

2.4 Future Research Needs

The influence of scale is a major issue in ecology, both in terms of scientific under-
standing and subsequent management application (Levin, 1992). Frequently, local
field studies and laboratory experiments are the only ones able to investigate patterns
and processes in detail, so many decomposition studies have been undertaken at
single stream sites. The major disadvantage is that conclusions cannot be confidently
scaled up to generate broad conclusions. Similar studies undertaken at many sites
help building a picture from which we can generalise, although the use of different
methods can sometimes hinder comparisons. In response to such issues, in the last
decade there has been a move to undertake parallel decomposition studies at multiple
sites across the planet using standardised methods (Boyero & Pearson, 2017).

For development of general paradigms, understanding variability across scales
is important (Tonin et al., 2019). Variability may be due to the physical environ-
ment operating at several scales, illustrated in the conceptual framework of Graça
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et al. (2015), but also to many biotic variables operating at fine scales, such as
intraspecific competition (Boyero & Pearson, 2006), resource partitioning (Tonin,
Pozo, et al., 2018), presence of large crustaceans (Coughlan et al., 2010), predation
(Boyero et al., 2008), litter diversity (Bastian et al., 2008), decomposer diversity
(Bastian et al., 2008), life cycle (Nolen & Pearson, 1992) and size or developmental
stage (Nolen & Pearson, 1993). A hierarchical approach is required, preferably in
several regions that may be regarded as representative globally. A limited number of
detailed but biogeographically restricted studies of this nature have been undertaken
in examination of diversity (e.g., Heino et al., 2018) and decomposition processes
(Rezende et al., 2014; Tiegs et al., 2009; Tonin, Hepp, et al., 2018). Such hierarchical
studies might provide a biogeographical, geomorphological and geological basis for
developing a classification of streams relating to food webs, in a more globally inclu-
sive scheme than, for example, the river continuum concept (Vannote et al., 1980),
recognising that it is difficult to apply a single conceptual framework to all lotic
systems.

Tank et al. (2010), in an extensive review, nominated a number of areas where
more information was required on the dynamics of organic material in streams.
A decade later, these gaps largely remain, particularly when considering issues
at different scales. They include understanding of the dynamics and importance
of dissolved organic matter, materials and energy budgets, inputs from floodplains
and retention/transport generally. Those that we have highlighted above and others
directly relevant to the decomposition process include: improved models of litter
budgets (inputs, transport, storage) across scales; rates of organic matter decompo-
sition across scales and biomes (mostly tropical ones), despite major advances in the
last 10 years; multiple biophysical influences on decomposition; types of litter other
than leaves (flowers, fruits and especially wood) across scales; fate of fine partic-
ulate organic matter (mineralization and incorporation in food webs); influence of
variation within species and within individual trees in leaf chemistry on processing
rates at different scales; effects of anthropogenic changes on litter inputs, decom-
position and storage, which is an expanding field but has no systematic approach
at the global scale (includes vegetation clearing, exotic species, species invasion,
agriculture, urbanisation and changes in temperature and hydrology with climate);
development of spatially explicit models at large scales (e.g., ecoregions, biomes),
which provide the opportunity to formulate new hypotheses; and development of
general models/frameworks of litter dynamics across scales, as elucidated in this
paper. We look forward to future global experiments, meta-analyses and syntheses
towards developing a more comprehensive framework that will enhance our under-
standing of the variable importance of organicmatter and its sources in streamecosys-
tems, providing the capacity to predict effects of environmental change and inform
improved management.
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Chapter 3
Stoichiometry of Plant Litter
Decomposition in Stream Ecosystems

Michael Danger, Julio Arce-Funck, Miriam Beck, Clément Crenier,
Vincent Felten, Ziming Wang, and Florence Maunoury-Danger

Abstract Ecological stoichiometry is an approach of ecology aimed at under-
standing the causes and consequences of elemental imbalances in nature (mainly
focusing carbon, nitrogen, and phosphorus), from molecular to ecosystem levels.
Like most detritus in nature, plant litters are nutrient depleted, and both microbial
decomposers and detritivores are exposed to large stoichiometric constraints. These
nutritional constraints will ultimately control litter decomposition rates, nutrient
mineralization, and affect, in turn, decomposers’ community structures. To consider
such stoichiometric constraints could greatly help understanding the functioning of
detritus-based ecosystems. In this chapter, focused on leaf litter, diverse examples
of stoichiometric constraints at play at the detritus-decomposer interface in aquatic
ecosystems are presented. The different steps involving stoichiometric processes
and ultimately conducting to litter decomposition, from the production of leaf litter
in the riparian zones of freshwater ecosystems to its incorporation in aquatic food
webs and its potential recycling in freshwater ecosystems are discussed. Stoichio-
metric constraints arising between detritus and decomposers in freshwater ecosys-
tems are then placed into the context of current global change. Finally, we highlight
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the limits of the stoichiometric approach as well as some complementary approaches
and perspectives of work are proposed.

3.1 Ecological Stoichiometry: Conceptual Bases
in Detritus-Based Ecosystems

Ecological stoichiometry is an approachof ecology aimed at understanding the causes
and consequences of imbalances between several chemical elements during organ-
isms’ interactions and ecological processes, from molecular to ecosystem levels
(Elser et al., 1996; Sterner & Elser, 2002). It relies on the observation that all
living organisms are composed of the same chemical elements (e.g., carbon (C),
nitrogen (N), phosphorus (P), iron (Fe), silica (Si), potassium (K), etc.) in more
or less important and variable amounts. Ecological stoichiometry approaches then
consider the elemental compositions (often expressed as molecular elemental ratios,
for example C:N or N:P ratios) of basal resources and living organisms involved in
ecological interactions.Anymismatch between consumer requirements and elements
available in their resources constitutes a stoichiometric constraint that can alter
consumers’ life history traits (survival, growth, reproduction), nutrient transfer effi-
ciency and ecosystem productivity, but also nutrient recycling (Cebrian et al., 2009;
Sterner & Elser, 2002; Vanni, 2002). It can also be efficiently applied to commu-
nity ecology, since stoichiometric constraints alter competitive interaction outcomes
between species and participate to shape community structures (Moe et al., 2005;
Tilman, 1982). Taking explicitly into account the couplings between biogeochem-
ical cycles and organisms via chemical elements, ecological stoichiometry permits
to relate several sub-disciplines of ecology, such as ecophysiology, population and
community ecology, and ecosystem ecology.

Although formalized quite recently (Sterner & Elser, 2002), ecological stoi-
chiometry finds its origin in much older approaches. As early as 1925, Lotka in
his book entitled Elements of Physical Biology, evoked the importance of consid-
ering the elemental composition of living organisms in the study of their interactions
and their impacts on their environment. Results from Redfield (1958) then largely
questioned the couplings between elements in organic matter and their importance
for biogeochemical cycles. In 1986, Reiners first proposed a mechanistic view of
the connections between the elemental composition of organisms, environmental
constraints, and ecosystemprocesses. This approachhas thenbeen successfully tested
into diverse ecosystems, from lakes and rivers to marine and terrestrial ecosystems
(Sterner & Elser, 2002). Despite the apparent generality of ecological stoichiometry
concepts, most studies have been restricted to the plant—herbivore interface. Fewer
studies investigated the importance and the impacts of stoichiometric constraints for
upper trophic levels (predators) and for detritus consumers. While stoichiometric
constraints are expected to be reduced at higher trophic levels due to the higher
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elemental quality of resources (animal prey), those arising at the detritus—detri-
tivore interface are expected to be extremely high (Danger, 2020; Evans-White &
Halvorson, 2017;Martinson et al., 2008). Detritus includes all types of dead animals,
dead microorganisms, and dead plant tissues (e.g., dead leaves, dead wood, macro-
phytes, and dead algae), but also faeces and dissolved organic matter excreted or
exuded (e.g., exopolysaccharides, dissolved organic matter, root or leaf exudates;
Moore et al., 2004). Due to the central importance of plant production on Earth,
a large majority of detritus found in ecosystems have a plant origin (Moore et al.,
2004). For numerous vascular plants, plant tissues or substances released as detritus
are particularly nutrient-poor since most plants have long been selected for reab-
sorbing and retaining themost limiting nutrients before detritus release (Killingbeck,
1996; Noodén et al., 1997). In particular, litter of terrestrial plants generally contains
extremely lowN and P concentrations (Cross et al., 2005). Stoichiometric constraints
are thus expected to be particularly exacerbated at the detritus—detritivore interface
(Martinson et al., 2008).

Becauseof their generally concaveprofiles, aquatic ecosystems aremore subject to
inputs of allochthonous organicmatter than terrestrial ecosystems (Leroux&Loreau,
2008; Polis & Strong, 1996). In freshwater ecosystems, a dominant proportion of
this organic matter is composed of plant detritus from terrestrial origin, mainly under
the form of large particles (Coarse Particulate Organic Matter, CPOM), such as leaf
litter or dead wood, but also as dissolved organic material originating, for example,
from root exudates or leaf litter leaching (Meyer et al., 1998). The detritus have
long been acknowledged as important or even preponderant resources for freshwater
ecosystem functioning (Lindeman, 1942;Wetzel, 1995). Headwater streams draining
forest catchments, for example, rely for a large part on leaf litter inputs from adjacent
terrestrial ecosystems (Fisher & Likens, 1973; Wallace et al., 1999). Despite their
generally refractory nature and their reducednutrient contents, detritus largely sustain
the development of aquatic food webs (Wetzel, 1995). Studying the stoichiometric
constraints at the detritus—decomposer interface and their ecological consequences
in freshwater ecosystems is thus of critical importance, and has been the topic of an
increasing number of studies in the past two decades.

Rather than proposing an exhaustive review of all stoichiometric studies carried
out on detritus decomposition in aquatic ecosystems, this chapter will gather diverse
examples of the stoichiometric constraints occurring at the detritus—decomposer
interface in aquatic ecosystems. Detritus will be restricted to leaf litter for simpli-
fication, but stoichiometric constraints will also generally apply for other detritus
types, more or less pronounced depending on the stoichiometric imbalance between
detritus and their consumer (microbial andmetazoan detritivores) requirements. This
chapter will thus be constructed by discussing the different steps involving stoichio-
metric processes and ultimately conducting to litter decomposition, from the produc-
tion of leaf litter in the riparian zones of freshwater ecosystems to its incorporation
in aquatic food webs and its potential mass and nutrient recycling in freshwater
ecosystems (Fig. 3.1). Finally, stoichiometric constraints arising between detritus
and decomposers in freshwater ecosystems will then be placed in the context of
current global change, and some perspectives of work will be proposed.
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Fig. 3.1 Non exhaustive presentation of factors susceptible to affect leaf litter stoichiometry, from
its production in the riparian zone to leaf litter deposition in aquatic ecosystems: (a) riparian plant
identity, leaf litter traits including stoichiometric traits largely differing between species, (b) micro-
bial processes occuring in the vicinity of riparian plant roots, such as nitrogen fixation, (c) Environ-
mental factors, such as light availability, CO2 concentrations, or nutrient levels in soils, (d) predation
or parasitism occuring on green leaves, (e) biological processes occuring at the soil surface (see
text for details and references). Leaf litter can either enter aquatic ecosystem directly (arrow 1)
or indirectly (arrows 2 and 3), after a variable period of decomposition on soil surface. Leaf litter
leaching (arrows 4) will occur quickly in aquatic medium, and might be delayed on soil depending
on weather conditions. This leaching is generally higher for P than for N and C, altering leaf litter
stoichiometry

3.2 From the Riparian Zone to Freshwaters: The
Stoichiometry of Leaf Litter

Litter inputs often represent the main energy and nutrient sources for many forested
aquatic ecosystems (Wallace et al., 1999). These inputs largely vary between biomes
and seasons, ranging from large seasonal inputs in temperate, broad-leaved forests,
to more annually distributed inputs in evergreen or coniferous forests. Also, the
relative abundance of broad-leaved trees, evergreen or coniferous trees can largely
impact instream leaf litter decomposition, especially due to its impacts on litter
inputs seasonality and the overall litter chemistry (Ferreira et al., 2016). To date,
most stoichiometric studies have concerned the litter decomposition of deciduous
broadleaf species in temperate ecosystems, and most examples cited hereafter will
concern this litter category. In any case, in comparison with green leaves, leaf litter
is generally considered as a low stoichiometric quality resource, i.e., containing low
nutrient contents and exhibiting highC:nutrient ratios (Cross et al., 2005; Sariyildiz&
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Anderson, 2005). These high C:nutrient ratios are mainly attributed to plant nutrient
remobilization at abscission (Chapin&Kedrowski, 1983;Killingbeck, 1996;Nooden
et al., 1997). Nevertheless, other parameters have been evidenced as playing a role
in leaf litter elemental composition.

First of all, leaf litter stoichiometry can vary much between species (Hladyz et al.,
2009; Melillo et al., 1982; Ostrofsky, 1997, Figs. 3.1a and 3.2). As an illustration,
litters coming from N-fixing species are known to present, on average, higher N
contents than litters coming from non-fixing ones (Hladyz et al., 2009; Fig. 3.1b).
While alder (Alnus glutinosa, L.) leaves can reach C:N molar ratios as low as 14,
other deciduous species like ash (Fraxinus excelsior, L.) or beech (Fagus sylvatica,
L.) generally exhibit C:N ratios higher than 40 (Hladyz et al., 2009). Such high N
contents in leaf litter of N-fixing plants can be explained by the absence of plant
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Fig. 3.2 Illustration of the elemental imbalance between diverse leaf litters and their potential
consumers, including some common detritivorous invertebrate taxa, bacteria, and fungi. Leaf litter
data include data from deciduous trees (Al: Alnus glutinosa, Fa: Fagus sylvatica, Qu: Quercus
robur, Ac: Acer pseudoplatanus, Co: Corylus avellana, data from Hladyz et al., 2009), conifers
(Ps: Pinus sylvestris, Pi: Picea sp., data from Enríquez et al., 1993), and non-coniferous evergreen
trees (Eu: Eucalyptus globulus, data from Kiffer et al., 2018; Il: Ilex aquifolium, data from Hladyz
et al., 2009). Detritivorous invertebrate data correspond to whole body tissue analyses carried out
on some of the dominant taxa in north-eastern France headwater streams (Ga: Gammarus fossarum,
Se: Sericostoma personatum, Pr:Protonemura sp., Po:Potamophylax sp., Le: Leuctra sp., data from
Beck et al., unpublished data). Bacteria and fungi data correspond to microbial cultures of natural
isolates (Mouginot et al., 2014). Note that bacteria and fungi elemental ratios correspond to mean
values and that these values can be highly variable (see Danger et al., 2016)
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limitation by this element and thus an absence or a reduction of N remobilization of
this element prior to abscission. Second, beyond interspecific differences, litter stoi-
chiometry can alsowidely differ between individuals of a single species. Several envi-
ronmental parameters have been shown to affect plant tissue stoichiometry, such as
climate, CO2 concentration, light availability, or nutrient availability in soils (Ågren,
2008; Biasi et al., 2017; Graça & Poquet, 2014; Norby et al., 2001; Fig. 3.1c).
Litter stoichiometry then more or less closely relates green leaves stoichiometry
with a general reduction of nutrient contents (McGroddy et al., 2004), the inten-
sity of nutrient decrease depending largely on plant resorption activity (Killingbeck,
1996). From a global viewpoint, litter stoichiometry seems to depend on latitude,
with litters beingmore P depleted in the tropics than in higher latitudes (Boyero et al.,
2017). Such large scale patterns, generally explained by variations of soil P avail-
ability with latitude, could at least partly drive differences in leaf litter decomposition
already observed with latitude (Boyero et al., 2016; Lecerf & Chauvet, 2008).

Several other parameters have been shown as playing a role in leaf litter stoichiom-
etry. In particular, parasitismor predation occurring on the plant impact its physiology
and can ultimately lead to large changes in leaf litter nutrient contents (Fig. 3.1d). For
example, insects consuming leaves (e.g., gallingormining insects) cangreatly change
leaf physiology and metabolism, attacked leaves generally containing higher levels
of nutrients than intact ones (Giron et al., 2016). Grimmett et al. (2012) also showed
that infection of green leaves by a parasitic fungus, Rhytisma spp. (Ascomycetes),
lead to significant increases in leaf litter N and P concentrations that result in higher
leaf litter quality. However, fungal infection can also change other traits of leaf litter,
such as increasing leaf litter polyphenol content and toughness (e.g., Pazianoto et al.,
2019), decreasing leaves palatability for invertebrates and then rendering the impact
of parasite infection on leaf litter decomposition hardly predictable.

Finally, after abscission, leaf litter can follow two different pathways susceptible
to influence leaf litter stoichiometry. First, for riparian trees close to aquatic ecosys-
tems, leaf litter can directly enter aquatic ecosystems (Fig. 3.1, Arrow 1). In that case,
the leaching of most soluble compounds will quickly change leaf litter stoichiometry
(Fig. 3.1, Arrow 4). Leaching generally occurs during the first hours or days after
immersion, leading to large carbon and nutrient losses. Depending on respective
losses of C and nutrients, elemental ratios of leaf litters can vary much. However,
since N and especially P are generally lost in higher amounts through leaching than
C (Maunoury-Danger et al., 2018; Schreeg et al., 2013), leaching most often results
in increases of leaf litters C:N and C:P ratios (Danger, Arce Funck, et al., 2013).
Second, leaf litter can fall on the soil and remain for a variable time in terrestrial
ecosystems before being transferred to aquatic ecosystems (Fig. 3.1e, Arrows 2 and
3). These lateral inputs can be as high as direct leaf litter inputs in small forested
streams (Wallace et al., 1999). Depending on the duration and the context of leaf
litter exposure to soil conditions (e.g., moisture, presence of microbial and inver-
tebrate decomposers), the consequences on leaf litter stoichiometry should largely
vary, influencing in turn the degradability of leaf litter leachates and leaf litter decom-
position in aquatic ecosystems (del Campo et al., 2020). Note also that even if a large
part of carbon and nutrients leached from leaf litter stay in the surrounding terrestrial
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ecosystem, a non-negligible amount of these compounds might ultimately arrive in
aquatic ecosystems, and ultimately be used by microbial decomposers (Meyer et al.,
1998).

3.3 Stoichiometry of Litter Microbial Decomposition
in Freshwaters

When entering the aquatic ecosystem, concomitantly with leaf litter leaching, leaf
litter will be promptly colonized by microbial decomposers (Fig. 3.3a, b).

Microbial decomposers are composed of both aquatic fungi (e.g., aquatic
hyphomycetes) and bacteria. Aquatic fungi are generally considered as the first and
most important leaf litter decomposers in rivers (in terms of both biomass and activity,
e.g., Baldy et al., 1995; Hieber &Gessner, 2002) while bacteria become increasingly
abundant at later stages of litter decomposition. Microbial activity ultimately leads to
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Fig. 3.3 Microbial- and detritivore-driven processes affected by or affecting leaf litter stoichiom-
etry. (a) Leaf litter stoichiometry can select for particular taxa of decomposers andmicrobial activity
progressively changes leaf litter elemental composition, (b) in addition to fungi and bacteria, other
organisms can change leaf litter quality for detritivores, such as protozoans or microalgae devel-
oping on leaf litter surface, (c) detritivores can selectively feed on patches of higher stoichiometric
quality and change the elemental composition of remaining material, (d) leaf litter stoichiometry
will affect not only detritivores growth but also the taxonomic composition of detritivores commu-
nities, altering in turn leaf litter decomposition, (e) microbial and detritivores activity release fine
particles with variable stoichiometry (fungal conidia, leaf litter debris, detritivore faeces, etc.)—see
text for details and references



30 Danger et al.

direct litter mass loss but is also particularly important for ensuring leaf litter condi-
tioning, i.e., the enhancement of leaf palatability for detritivores (Gessner et al.,
1999). Microbially-conditioned leaf litters generally become softer, more nutritious,
and more palatable to detritivores (Graça, 2001). Despite the central role of micro-
bial decomposers in leaf litter conditioning and decomposition in aquatic ecosystems,
the stoichiometric determinants of their decomposing activity received attention only
recently.

Most studies dealing with aquatic fungi stoichiometry have shown that at the
strain level, fungi are largely non-homeostatic, i.e., they can store large amounts
of nutrients in their biomass, resulting in widely variable mycelium stoichiometry
(Danger&Chauvet, 2013;Danger et al., 2016). This elemental plasticity is especially
important for P, fungal biomass C:N ratios being far much more constrained than
C:P ones (Gulis et al., 2017). Results are more contrasted for bacteria, the degree of
homeostasis varies between bacterial strains (Chrzanowski & Kyle, 1996; Godwin
& Cotner, 2014). However, when considering microbial communities instead of
individual strains, stoichiometric flexibility ofmicrobial biomass seems to be the rule
(Danger et al., 2008). Despite this flexibility, microbial decomposers communities
could present optimal nutrient ratios, i.e., ratios of nutrients in their environment that
maximize their growth and activity (Güsewell&Gessner, 2009). These optimal ratios
mayvarywith nutrient quantity, anddiffer betweenbacteria and fungi, fungi generally
exhibiting higher C:nutrient ratios and more variable nutrient requirements than
bacteria (Danger et al., 2016, Fig. 3.2). Such stoichiometric differences between both
decomposers groups, in addition to different enzymatic capabilities and antibiotic
substance production, might help to explain the dominant role of fungi over bacteria
during the decomposition of extremely high C:nutrient ratio substrates such as leaf
litters (Danger et al., 2016).

While having flexible elemental composition might be essential for microbial
decomposers to decompose high C:nutrient substrates, it remains that microorgan-
isms decomposing leaf litters and dead wood must face extremely high—certainly
amongst the most important on Earth—elemental imbalances (Cross et al., 2005).
From a stoichiometric viewpoint, three main, non-exclusive mechanisms might help
decomposers to cope with these large imbalances (Fig. 3.4).

First, microorganisms can invest an important part of their energy for producing
efficient (N-rich) enzymes aimed at recovering the rare nutrients present in detrital
resources. This is especially true for microorganisms facing P-limiting conditions,
where available N and energy can be invested in the production of large amounts
of phosphatase (Clivot et al., 2013). Second, microorganisms can strongly reduce
their Carbon-Use Efficiency (CUE, i.e., the ratio of microbial growth to total micro-
bial carbon assimilation; see Sinsabaugh et al., 2013) and eliminate a part of C
in excess through higher carbon release via respiratory processes (Manzoni et al.,
2012). Finally, microorganisms can largely use dissolved inorganic nutrients from
their environment to balance their stoichiometric requirements (Cheever et al., 2012;
Howarth & Fisher, 1976). This process, referred as microbial nutrient immobiliza-
tion, will largely participate to commonly observed patterns of nutrient enrichment
of leaf litters during decomposition (Howarth & Fisher, 1976). Inorganic nitrogen
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Fig. 3.4 Roles of microbial decomposers and metazoan detritivores on leaf litter stoichiometry.
Leaching first leads to the release of soluble carbon and nutrients in water. Microbial decomposers
being non-homeostatic, they first immobilize nutrients from the water column to balance their
stoichiometric requirements before mineralizing leaf litter (i.e., producing a net release of mineral
nutrients). During their growth, exoenzymes released by decomposers can lead to large losses
of N-rich compounds. High respiration rates and CO2 production can help microorganisms to
balance their stoichiometric requirements. In anoxic conditions, some C and N might also be lost
as CH4 or N2/N2O. Finally, metazoan detritivores consume leaf litter more or less conditioned
by microorganisms. Detritivores can be highly selective, feeding on nutrient-rich patches on leaf
litter, permitting to balance their nutrient demand. A part of these nutrients will be retained in
detritivores biomass, and consumers’ metabolism, physiology, and stoichiometry will ultimately
control the amount and stoichiometry of nutrients released under the form of dissolved nutrients or
faeces. Excreted nutrients produced by detritivores can represent a large part of the total leaf litter
remineralization process (a process commonly called the ‘consumer-driven nutrient recycling’).
The repackaging of leaf litter nutrients in fecal pellets can delay the remineralization of nutrients
by detritivores, and the balance between excretion vs. egestion processes might play an important
but understudied role in aquatic ecosystems functioning (see text for details and references)

immobilization fromwater has been suggested to participate to the increase of fungal
biomass while P would be controlled less homeostatically and stored in microbial
biomass, leading to large variations in the P content of leaf litter decomposers (micro-
bial C:N remaining quite constantwhen compared toC:P;Gulis et al., 2017;Manning
et al., 2015). Large microbial immobilization capabilities permit to understand the
general stimulatory effect of nutrient availability on litter decomposition (Ferreira
et al., 2015; Gulis & Suberkropp, 2003). This immobilization also leads to reductions
in litter C:nutrient ratios, whichwill then represent resources of higher stoichiometric



32 Danger et al.

quality for detritivorous invertebrates (Cross et al., 2003; Danger, Arce Funck, et al.,
2013; see the paragraph 3.4 below). Also, note that these immobilization capacities
can be useful for understanding nutrient availability in aquatic ecosystems, measure-
ments of litter stoichiometry giving interesting indications on nutrient limitations or
imbalances occurring in aquatic ecosystems (Farell et al., 2018).

Finally, through their decomposing activity, microbial decomposers will ulti-
mately participate to detritusmineralization, i.e., the net release of inorganic nutrients
from decomposing detritus (Fig. 3.4). Most of mineralized elements are expected to
remain andbe re-used in the aquatic ecosystembut a partmight ultimately be lost from
water (at least for C and N, through the release of CO2, CH4, N2 or N2O depending
on environmental conditions, e.g., Beaulieu et al., 2011). Microbial decomposers
are generally considered as large contributors of the nutrient release from leaf litters
in aquatic environments. However, mineralization by microbial decomposers only
occurs when the nutrient concentration in the detritus is in excess of the microbes’
physiological requirements (Webster et al., 2009). Microbial mineralization occur-
rence and intensity will thus be driven by the stoichiometric mismatch between
nutrients available in resources and those required for microorganisms development
(Chérif & Loreau, 2013). In the case of leaf litter decomposition, microbial decom-
posers should first immobilize large amounts of inorganic nutrients from the water
column during their initial active growth (Webster et al., 2009). The demand for nutri-
ents should then peak anddeclinewithmicrobial biomasswhenmost degradable parts
of the litter have been colonized. Net nutrient release from decomposing leaf litter
should thus occur at a point during decomposition when the stoichiometric demand
for microbial growth has been fulfilled (Cheever et al., 2012; Webster et al., 2009).
Nutrient availability and stoichiometry in both detrital resources and water are thus
supposed to be important drivers of leaf litter decomposition, also controlling the shift
from net immobilization to net mineralization (Güsewell & Gessner, 2009). While
such simple stoichiometric models are attractive, they still lack large experimental
assessments. Reality might appear as more complex in particular since microbial
decomposers are not homeostatic, and since microbial communities can be highly
diversified, including numerous taxa (even primary producers such as benthic algae)
with diverse biological and ecological traits. In particular, predictions of simple stoi-
chiometric models might be largely complexified by community dynamics arising
during leaf litter decomposition, species replacements commonly occurring and
reducing the stoichiometric imbalancebetween resources andmicrobial requirements
(Danger et al., 2008; Kaiser et al., 2014).

3.4 Stoichiometry of Metazoan Detritivores

In many aquatic ecosystems, most litter resources are considered as becoming avail-
able for metazoan detritivores consumption when conditioned by microbial decom-
posers (Gessner et al., 1999; Fig. 3.3c). This microbial conditioning is generally
accompanied by an increase in litter stoichiometric quality (see the above Sect. 3.3).
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In contrast withmicrobial decomposers, metazoans are generally assumed to be quite
homeostatic in comparison with their detrital resources (Cross et al., 2005; Evans-
White et al., 2005). This means that they are able to maintain a quite stable elemental
composition, even when the nutrient concentrations in their food are variable. This
has been confirmed for some detritivorous invertebrate species, both in laboratory
experiments (Danger, Arce Funck, et al., 2013) and in the field (Evans-White et al.,
2005). However, several studies questioned this principle, and some observations
revealed deviations from a strict homeostasis (Cross et al., 2003; Small & Pringle,
2010). Other influencing factors on stoichiometry have indeed been evidenced such
as sex, body size or ontogeny (Halvorson et al., 2015). In all cases, phylogenetic
signals remain important in determining invertebrate stoichiometry (Evans-White
et al., 2005; Gonzalez et al., 2018), and invertebrate taxa elemental compositions are
on average far less variable than those of their resources.

To date, elemental imbalance between resource stoichiometry and consumer
requirements has generally been simply evaluated as the difference between
consumers’ body elemental ratios and those from resources (e.g., Cross et al., 2005,
Fig. 3.2). Yet, by doing this, the metabolic and biochemical costs necessary for a
consumer to process and assimilate the diet are totally omitted (Danger, 2020; Frost
et al., 2006). In particular, carbon loss due to the energetic costs of nutrient assimila-
tion is neglected. Stoichiometric requirements of a metazoan (also called Threshold
Elemental Ratios, TER) can be either evaluated from mathematical models incor-
porating carbon and nutrient assimilation efficiencies, elemental ingestion rates and
mass-specific respiration rates (for details on TERs calculation, see Frost et al.,
2006), or be measured experimentally using controlled resources (Khattak et al.,
2018;Ruiz et al., 2020).Nevertheless, even if true consumers’ stoichiometric require-
ments differ from consumers’ biomass elemental composition, these two parameters
generally remain quite proportional (Frost et al., 2006). In addition to the difficulty
of evaluating consumers’ stoichiometric requirements, it is often hard to evaluate
the stoichiometric quality of detritivores’ resources. These organisms are indeed far
more selective than what is generally thought, most detritivorous invertebrates select
for example the highest quality patches on leaf litter surface (Lauridsen et al., 2014).
Measuring the elemental composition of bulk leaf litter might thus sometimes give
erroneous information on actual elemental imbalances undergone by detritivores.

Since leaf litters generally have extremely high C:nutrient ratios, especially the
least microbially-conditioned ones, stoichiometric constraints are expected to be
extremely important for detritivores (Martinson et al., 2008). Using leaf litters
controlled for their elemental contents (using the large P-immobilization capacities of
microbial decomposers), Danger, Arce Funck, et al. (2013) showed that lower detrital
C:P ratios strongly increased the survival andgrowthof an invertebrate detritivore (the
freshwater crustacean, Gammarus fossarum). Lower stoichiometric constraints were
also associated with significant improvements of invertebrates’ locomotor activity,
energetic status, and reproduction (Arce-Funck et al., 2018; Rollin et al., 2018). Such
findings, already found for herbivorous species, are consistent with the Growth Rate
Hypothesis (GRH), initially proposed by Elser et al. (1996). High growth rates are
associated with high rates of protein synthesis, which require high amounts of P-rich
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rRNA, and rRNA often represents a major part of the entire cellular P content (Elser
et al., 2003). The resulting demand for P of fast-growing organisms are generally
displayed in the elemental composition of the body tissue of consumers. Therefore,
organisms with high growth rates (i.e., a high demand for P) generally exhibit low
C:P and N:P ratios, while organisms that grow at slower rates which require less
phosphorus have higher C:P and N:P body stoichiometry (e.g., Main et al., 1997).

At the community level, large elemental imbalances between detritivores’ require-
ments and their detrital resources and their negative impacts on consumers’ life
history traits should have important consequences (Fig. 3.3d). In particular, it might
be expected that taxa exhibiting the largest elemental imbalances will be replaced by
taxa that are better adapted to the stoichiometric conditions. For example, one could
expect that the least homeostatic taxa (i.e., the taxa exhibiting the highest elemental
composition plasticity) would be less impacted by changes in nutrient availabilities.
Cross et al. (2003) showed for example that some taxa were more flexible in terms of
elemental stoichiometry than others, representing a potential mechanism reducing
the intensity of stoichiometric constraints undergone by these taxa. One could also
expect that ecosystems with the highest P concentrations should select for taxa that
have the highest P contents and the lowest body C:P ratios. In the past two decades,
a few experimental approaches were developed to test this hypothesis, using either
in situ gradients of nutrients or ecosystem-level artificial nutrient enrichments. Due to
nutrient immobilization by microbial decomposers (see the above Sect. 3.3), higher
nutrient levels or nutrient enrichments inwater are expected to decrease leaf litter C:P
and C:N ratios and thereby increase its quality for detritivorous invertebrates (e.g.,
Cross et al., 2003). Several studies succeeded in showing an impact of resources C:P
ratios on detritivores community structure and the selection of P-rich taxa (Dang
et al., 2009; Evans-White et al., 2009; Prater et al., 2015; Singer & Battin, 2007)
while other studies failed (e.g., Demi et al., 2019). In most studies, shifts in commu-
nity composition were accompanied by shifts in other macroinvertebrate traits. For
example, Cross et al. (2006) and Prater et al. (2015) showed that in nutrient rich
conditions, small and fast-growing taxa were favored and dominated the commu-
nity, while under nutrient-poor conditions, taxa were larger and expressed slower
growth rates. These shifts follow the assumptions of the GRH, as explained above.
Up to now, it is unclear how detritivores’ body stoichiometry is related to other
invertebrates’ functional traits. Some studies already reported differences in body
stoichiometry between different invertebrates’ feeding-groups (Cross et al., 2003;
Evans-White et al., 2005). Developing trait-based approaches on detritivorous inver-
tebrates incorporating stoichiometric traits would certainly help to disentangle the
importance of stoichiometric traits relative to other functional traits (Meunier et al.,
2017).
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3.5 Stoichiometry for Linking Organisms Requirements
to Freshwater Ecosystems Functioning

How and to what extent stoichiometric changes in detritus, decomposers and detri-
tivores affect the overall ecosystem functioning represent an important and partly
unsolved scientific question (Woodward, 2009). The conceptual framework of
ecological stoichiometry could help predict some ecological consequences of stoi-
chiometric imbalances at the ecosystem scale (Fig. 3.4). Stoichiometricmodels could
in particular help to understand and to predict the role of leaf litters microbial decom-
posers in nutrient mineralization (e.g., Daufresne & Loreau, 2001; Manzoni et al.,
2010), i.e., the net release of inorganic nutrients that could then be rendered avail-
able in ecosystems (see the above Sect. 3.3 for more details). Similarly a release of
stoichiometric constraints for detritivorous invertebrate, potentially associated with
higher detritivores’ feeding rates (Cornut et al., 2015; Flores et al., 2014), will ulti-
mately lead to faster leaf litter mass loss and to increased detritivores’ production
(Cross et al., 2006; Demi et al., 2019; Greenwood et al., 2007). Such increases in
prey production could in turn lead to significant increases in predators’ production
and deeply modify food web structures, as already shown after experimental stream
nutrient enrichments (Cross et al., 2006; Demi et al., 2018; Greenwood et al., 2007).
However, this response seems to partly depend on prey species: when increases
in detritivores production are associated with large shifts in detritivores biological
traits (e.g., changes in prey body size; Davis et al., 2010), detritivores might ulti-
mately be outside the range of suitable/ optimal prey for prevailing predators. In
this case, response of higher trophic levels might be delayed or decoupled from the
stoichiometry-induced increased energy flow through the food web.

Another important input of ecological stoichiometry for understanding the
impact of leaf litter stoichiometry on ecosystem functioning concerns the so-called
Consumer-Driven Nutrient Recycling (Atkinson et al., 2017; Elser & Urabe, 1999).
As discussed earlier, sincemicrobial decomposers first immobilize nutrients from the
water column to fulfill their stoichiometric requirements during leaf litter decompo-
sition, nutrient mineralization often occurs in the latest stages of microbial decom-
position. In numerous ecosystems, leaf litters are consumed by detritivores when
microbial decomposers biomass peak in the decomposing material, i.e., before or at
the beginning of net nutrient release by microorganisms. Thus, detritivorous organ-
isms, through their nutrient excretion, often play a major role in nutrient release
(Fuller et al., 2015; Halvorson et al., 2015). Several studies indicated that the stoi-
chiometry of nutrients excreted was related to the elemental composition of the
consumers (e.g., Vanni, 2002). However, if stoichiometric imbalance between detriti-
vores and detrital resources plays a role in the nature and quantity of nutrient released,
consumers metabolism and body mass also represent central parameters controlling
consumer-driven nutrient recycling (Alves et al., 2010; Vanni & McIntyre, 2016).

Leaf litter consumers not only release inorganic nutrient in their environment
but also produce some fine detrital particles, store nutrients in their biomass—
depending on their elemental composition—and transform detrital organic matter
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through their digestive activity (Halvorson et al., 2015; Figs. 3.3e, 3.4). Therefore,
in addition to nutrient excretion, these processes also play key roles in ecosystems
functioning. First, nutrients bound in leaf litter consumers biomass can represent
important nutrient sinks that can then be consumed by predators. Also, in the case
of detritivorous insects, a part of the nutrients initially stored in their biomass can be
exported in adjacent terrestrial ecosystems through their emergence from the stream
(e.g., Grimm, 1988). Such nutrient transfersmight be important for terrestrial ecosys-
tems functioning, as already pointed out for energy fluxes (Nakano & Murakami,
2001). Finally, during their feeding activity, detritivores eating leaf litters will release
large amounts of fine organic matter particles (up to 80% of detritivore mediated
decomposition; López-Rojo et al., 2018), either under the form of non-ingested frag-
mented parts of leaf litter, or as non-assimilated organic matter into faeces (also
called egesta). Nutrients released as fecal particles instead of excreted, dissolved
nutrients, might in particular represent a major part of the nutrients released by detri-
tivores in their environment (Grimm, 1988; Halvorson et al., 2017). This “nutrient
repackaging” induced by leaf litter consumers could lead to the production of large,
stable sinks of nutrients in aquatic ecosystems (Halvorson et al., 2017). The ratio
of egested to excreted nutrients, which largely depends on detritivores’ physiology
and stoichiometric requirements, represent an understudied but essential parameter
explaining detritivores impacts on ecosystems functioning.

3.6 Conclusions and Main Perspectives of Research

Still in development, the conceptual bases of ecological stoichiometry offers an
interesting frame for the study of litter decomposition. From the understanding of
microbial processes to the construction of ecosystem nutrient budgets, several studies
have proven the great interest of this approach. Litters being most often particu-
larly nutrient-depleted, stoichiometric imbalances are expected to play central roles
in numerous processes related to litter decomposition. The above, non-exhaustive
review of studies dealing with stoichiometric controls of leaf litter decomposition
and their consequences at the individual, community, and ecosystem levels clearly
underlines the great scientific potential of such approaches. It should also not hide
that not all in litter decomposition can be predicted by this quite simple approach,
stoichiometric approaches having their own limits. Below are listed some important
perspectives of research that might deserve more attention in the future, as well as
some complementary approaches that might help to refine or to broaden ecological
stoichiometry results.
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3.6.1 Complementary Nutritional Constraints for Litter
Decomposition

As described above, ecological stoichiometry is mainly a bottom-up approach trying
to relate nutritional constraints to their consequences at different levels of biological
organization, from individuals to communities and ecosystems. Nevertheless, other
nutritional limitationsmight occur in aquatic ecosystems, these ones potentially inter-
acting or interfering with stoichiometric constraints. Among the long list of nutri-
tional constraints that have been discussed for litter decomposition, early studies dealt
with leaf litter toughness and microbial conditioning (Barlocher & Kendrich, 1975;
Kaushik &Hynes, 1971). Thick and hard tissues of freshly fallen leaf litter have been
proposed as being hardly consumable by most detritivores. Through their enzymatic
activity, microbial decomposers strongly change litter biochemical composition and
decompose a part of refractory carbon compounds (Suberkropp et al., 1976), leading
to softer leaf litter tissues and higher litter consumption rates by detritivores (Kaushik
& Hynes, 1971). Such changes are generally accompanied by large changes in leaf
litter palatability for detritivores, some aquatic fungi making leaf litter more attrac-
tive—or sometimesmore repellent—to detritivorous invertebrates (Suberkropp et al.,
1983). More recent works also showed that leaf litter conditioning leads to impor-
tant shifts in litter lipidic profiles, increasing for example the abundance of some
sterols and some long chain polyunsaturated fatty acids (Arce-Funck et al., 2015;
Torres-Ruiz & Wehr, 2010). All these changes in leaf litter quality co-varying with
stoichiometric indices, it is sometimes hard to disentangle the effects of stoichiometry
and those from other nutritional constraints. One way to limit the occurrence of such
confounding factors is to experimentally control leaf litter stoichiometry by acting
on nutrient immobilization by leaf litter decomposers during short-term nutrient
pulses (Danger, Arce Funck, et al., 2013). Another potentially important research
avenue would be to investigate the co-limitations probably occurring during leaf
litter decomposition, by using gradient approaches (as already suggested for herbi-
vores: Danger, 2020; Sperfeld et al., 2016). Finally, it must also be noted that contrary
to detritivores that are quite well characterized in terms of nutritional requirements,
far less is known for microbial decomposers. Some studies evidenced that micro-
bial decomposers might have “optimal N:P ratios” maximizing their decomposing
activity (Güsewell & Gessner, 2009). One could expect that microorganisms activity
is also potentially co-limited by other micronutrients (García-Palacios et al., 2016;
Powers & Salute, 2011) or biochemical compounds lacking in their environment, as
suggested for example by the observed positive effects of phytosterol additions on
aquatic fungi growth in laboratory cultures (Gessner & Chauvet, 1993). However,
such investigations remain rare for microorganisms, with most approaches being
generally restricted to carbon degradability and N and/or P availability.
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3.6.2 Stoichiometric Interactions with Other Organisms

Leaf litter decomposition studies in aquatic ecosystems have been generally restricted
to the evaluation of the respective roles ofmicrobial decomposers andmetazoan detri-
tivores (Gessner et al., 1999). However, detritus-based food webs might be far more
complex than simply considering these two groups of organisms (Fig. 3.3b). Among
the far less studied organisms, protozoans have been shown as playing non-negligible
roles in the fate of leaf litter in aquatic ecosystems, most often stimulating microbial
activity and leaf litter decomposition (Ribblett et al., 2005; Risse-Buhl et al., 2012).
Microalgae developing on leaf litter surface, through their release of labile carbon
exudates, have also been shown to affect leaf litter decomposition. Depending on
environmental conditions, such as light intensity or nutrient levels, the present algae
might stimulate (Danger, Cornut, et al., 2013; Pope et al., 2020) or reduce micro-
bial activity (Halvorson, Barry, et al., 2019, see Halvorson, Francoeur, et al., 2019
for a meta-analysis). These observations might be the results of complex priming
effects, i.e., release of energetic limitations and/or shifts in C-sources utilization
following C release by living primary producers that may also be partly controlled
by stoichiometric constraints (Guenet et al., 2010). In addition to bringing essential
fatty acids for detritivores (Crenier et al., 2017), microalgae development might thus
greatly influence leaf litter decomposition. Brown and green food webs thus largely
interact and ultimately influence stoichiometric processes and litter decomposition
(Evans-White&Halvorson, 2017). The presence of top-predatorsmight also directly,
through their top-down control (Jabiol et al., 2014), or indirectly, through changes
in detritivores behavior and elemental requirements (Hawlena et al., 2012), alter the
stoichiometric balances at play during litter decomposition. Finally, a last illustration
of the importance of taking into account the whole complexity of aquatic food webs
for leaf litter decomposition concerns the observed stimulatory effect of flat worms
on leaf litter decomposition (Majdi et al., 2014). Flatworms were indeed shown to
accelerate litter decomposition through positive effects on microbial decomposers.
Developing stoichiometrically explicit models of aquatic food webs, including their
whole complexity,might thus represent an important researchperspective for a deeper
understanding of litter decomposition. This would also certainly represent an impor-
tant pre-requisite for understanding ecological services rendered by detritus-based
headwater streams to adjacent ecosystems and downstream habitats (e.g., Piccolo &
Wipfli, 2002).

3.6.3 Stoichiometry of Litter Decomposition in a Changing
World

In addition to its fundamental interest, the study of the different stoichiometric aspects
of leaf litter decomposition appears as especially important when considering the
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emergency of predicting ecosystem responses to ongoing global changes. In partic-
ular, human-induced alterations of nutrient biogeochemical cycles tend to totally
imbalance global nutrient stoichiometry (Elser et al., 2009; Penuelas et al., 2013).
Such global changes in the relative abilities of nutrients in ecosystems, in associa-
tion with other parameters of global changes, might change ecosystem processes in
very complex ways (Cross et al., 2015). In particular, current temperature increase
in ecosystems might change consumers’ stoichiometric requirements concomitantly
with changes in nutrient availabilities, rendering predictions far more complex than
when considering parameters of global changes independently. For example, recent
theoretical developments showed that ectotherm metazoans see their optimal C:P
ratio decrease then increase with temperature due to partly decoupled stimula-
tions of animals metabolism and growth (Ruiz et al., 2020). Predictions for micro-
bial decomposers are much more complex since results seems to depend on the
degree of control exerted on microbial decomposers (e.g., totally controlled micro-
cocosms, Ferreira & Chauvet, 2011a vs. semi-controlled mescocosms conditions,
Gossiaux et al., 2020). Understanding and predicting nutrient requirements of micro-
bial decomposers seems thus to represent an important perspective of work. In addi-
tion, increases in CO2 concentrations might reduce leaf litter stoichiometric quality
but also chemical quality for leaf litter decomposers (Tuchman et al., 2002), even if
temperature increasemight sometimes play a greater role on litter decomposition than
CO2-induced litter quality changes (Ferreira & Chauvet, 2011b). Pollutants can also
reduce litter decomposition through their impacts on microbial decomposers (Arce-
Funck, Clivot, et al., 2013), metazoan detritivores (life history traits, feeding activity,
physiology: Arce-Funck, Clivot, et al., 2013; Arce-Funck, Danger, et al., 2013; Arce-
Funck et al., 2018; Felten et al., 2008) and food quality (Arce-Funck, Danger, et al.,
2013), selecting the traits of the tolerant species (including stoichiometric traits).
Ecological stoichiometry offers the conceptual basis for understanding the conse-
quences of the impacts of pollutants (leaves decomposition, organisms, community)
on food webs, biogeochemical cycles (stocks and fluxes), and ecosystem functioning
(Danger & Maunoury-Danger, 2013).

3.6.4 More Conceptualization to Disentangle Stoichiometric
Controls and Other Mechanisms at Play

As a general conclusion of this chapter, it must be reminded that litter decompo-
sition in aquatic ecosystems is definitely a multifactorial process, and that stoi-
chiometric constraints represent one factor, among others, which can control litter
decomposition. As already underlined for ecological processes occurring at the
herbivores-primary producers interface, our predictions of litter decompositionmight
greatly gain from merging the different conceptual models that are currently avail-
able. For example, Sperfeld et al. (2017) proposed to relate the nutritional geom-
etry and the ecological stoichiometry frameworks, since both approaches appear
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as largely complementary. The first approach generally considers the differently
sized categories of food components such as macronutrients (proteins, carbohy-
drates and lipids) and the consequences of their imbalance on consumers’ behaviors
or fitness (Simpson & Raubenheimer, 2012). The second approach, ecological stoi-
chiometry, more directly relates nutritional constraints to ecosystem functioning.
Bridging these frameworks together could permit making ecological stoichiom-
etry more accurate by considering the true nature of molecules behind their C,
N, and P content, while nutritional geometry studies could more closely relate to
ecosystem processes. Another promising approach would consist in merging the
metabolic theory of ecology and ecological stoichiometry. This might indeed help
understanding the carbon metabolism and nutrient requirements of both microbial
decomposers and metazoan detritivores, permitting in turn to predict community
structures and ecosystem processes (Ott et al., 2014; Ruiz et al., 2020). This might
be particularly valuable when considering changes in organisms’ sizes or responses
to temperature increases. It has also been recently proposed to extend the niche
concept to stoichiometric niches (González et al., 2017). Such an approach permits
to easily visualize elemental composition and variability of different taxa, helping
for example to anticipate some phylogenetic differences between consumer require-
ments. Finally, the development of a trait-based approach of ecological stoichiom-
etry (sensu Meunier et al., 2017) would certainly be useful for predicting microbial
decomposers and detritivores community structures in response to litter stoichiom-
etry. This could also allow to more closely relate stoichiometric traits of taxa with
other functional traits, and ultimately broaden our understanding of functional conse-
quences of species shifts in ecosystems. This list is obviously non-exhaustive, but
should definitely help to deepen our understanding of litter decomposition and permit
to predict its underlying causes and its consequences for aquatic ecosystems.
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Global Patterns of Plant Litter
Decomposition in Streams
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Abstract Understanding ecological patterns and processes at the global scale is
becoming increasingly important in view of the rapid pace of environmental change
and consequent impacts on ecosystems. This chapter reviews current knowledge
about how plant litter decomposition—a key stream ecosystem process—and its
major biotic and abiotic drivers vary globally along geographic gradients. The
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evidence available suggests that thermal regime is the main factor influencing micro-
bial decomposition rate, which tends to increase with temperature. The presence or
absence of litter-consuming detritivores is a major determinant of overall decom-
position rate, the scarcity of these invertebrates being a common pattern in trop-
ical streams. However, relating detritivore-mediated decomposition rates to environ-
mental factors is complex, because of the interplay between detritivore abundance,
body size distribution, diversity and community composition, as well as plant litter
traits and diversity, all of which are influenced by climate, geology and biogeog-
raphy. Meta-analyses and a growing number of coordinated large-scale studies have
greatly enhanced our understanding of geographical variation of litter decomposition
in streams, and have enabled first projections of how climate warming and a range
of other aspects of global environmental change will affect the process.

4.1 Introduction

The extent of the total stream network globally is estimated at 88 million km
(Downing, 2012), a length equivalent to 200 times the distance from Earth to the
moon. Many of these streams receive plant litter from riparian vegetation, which is
deposited in the stream channel, partly transported downstream and partly used and
decomposed by microbial decomposers and litter-consuming detritivores. Indeed,
terrestrial plant litter represents the single most important source of carbon (C) and
nutrients to many streams (Wallace et al., 1997). This is particularly true for streams
surrounded by dense riparian vegetation, which not only provides abundant litter
but also limits instream primary production (Vannote et al., 1980). Once entrained
in stream channels, litter is broken down as a result of several processes occurring
simultaneously (Gessner et al., 1999), including physicochemical processes (i.e.,
leaching of soluble litter constituents and fragmentation by shear stress and abra-
sion) and biological processes (i.e., decomposition mediated by microorganisms and
litter-consuming detritivores). As a consequence, C compounds and nutrients are
released and may be incorporated into stream food webs (Marks, 2019; Webster &
Benfield, 1986), lost downstream, or emitted to the atmosphere as carbon dioxide
(CO2), methane (CH4), or other gases after further biogeochemical transformations
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(e.g., molecular nitrogen, N2; nitrous oxide, N2O) (Battin et al., 2009; Mulholland
et al., 2008). Uncovering the global patterns of these processes is important in order
to quantify the role of stream ecosystems in global C and nutrient budgets, and to
understand the hierarchy of factors governing rates of decomposition.

4.2 Assessing Global Patterns to Inform About Global Change

An understanding of large-scale variation in the patterns of litter decomposition in
streams can provide insights into major ecosystem consequences of global environ-
mental change. Clearly, global change is affecting ecosystemsworldwide at unprece-
dented rates, with strong impacts on biodiversity and ecosystem functioning and
potential impairment of ecosystem services to humans (IPCC, 2014; Vitousek et al.,
1997). Corvalan et al. (2005) advocated that special attention be given to fresh waters
as the most threatened ecosystems on Earth, with any change in their functioning
likely altering provisioning, regulating and supporting ecosystem services. Among
the large-scale changes imposed on ecosystems, those related to climate have been
most prominently examined, and many are well documented and of serious concern.
The periodically published reports of the Intergovernmental Panel onClimateChange
(IPCC) have provided increasingly compelling evidence that anthropogenic emis-
sions of greenhouse gases to the atmosphere cause global warming and alter precip-
itation patterns in many parts of the globe, and that these trends are projected to
continue in the future (IPCC, 2018).

The general global warming trend, although not uniform in magnitude across
biomes and regions, is unique in Earth’s recent history (Neukom et al., 2019). Its
consequences on ecosystems are not easy to study, but substituting space (across
broad temperature gradients) for time has been widely used as a proxy approach
to project changes in the structure of biological communities and fluxes of matter
and energy in response to climate change (Pennings & Bertness, 1999). Limitations
of this approach include influences of latitudinal changes in other environmental
factors, whether related to temperature variation or other causes, including the phys-
ical setting of landscapes, water chemistry and biodiversity patterns (Willig et al.,
2003). However, these limitations may not apply when temperature changes cause
range shifts of species, as has been reported for plants, fishes and plankton (Deutsch
et al., 2008; Mohseni et al., 2003; Pitelka & Group, 1997). Additionally, evolu-
tionary responses to altered temperature regimes by species are to be expected (e.g.,
De Meester et al., 2018), although little pertinent information is currently avail-
able for stream organisms (Haase et al., 2019). Such range shifts and adaptations
of species need to be incorporated into models designed to assess impacts of global
environmental change on ecosystem structure and processes. For the process of litter
decomposition in streams, this applies especially to riparian vegetation, microbial
decomposers and litter-consuming detritivores.
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4.3 Approaches to Determining Global Patterns

A variety of complementary approaches have been used to determine patterns and
the underlying drivers of decomposition at large scales, ranging from regional to
continental and global. This has included direct comparisons of litter decomposi-
tion between two or three regions that differ climatically (e.g., Ferreira et al., 2012;
Gonçalves et al., 2006) or geographically (e.g., Camacho et al., 2009), as well as
comprehensive literature reviews (e.g., Marks, 2019; Tank et al., 2010; Webster
& Benfield, 1986). Two approaches have been particularly valuable in providing
insights into large-scale geographical patterns in litter decomposition. First, meta-
analyses and data syntheses have proved powerful in detecting and quantifying influ-
ences of particular environmental drivers, including factors affected by global change
(Ferreira et al., 2015; Follstad Shah et al., 2017; Zhang et al., 2019). Second, coordi-
nated distributed experiments at global or continental scales have been increasingly
initiated over the last decade (Boyero et al., 2016; Boyero, Pearson, Gessner, et al.,
2011;Handa et al., 2014; Tiegs et al., 2019;Woodward et al., 2012) and have provided
invaluable comparative information. This includes the recognition that decomposi-
tion rates of different litter types vary with latitude, as do the roles of microorganisms
and detritivores, despite high spatial variability (Fig. 4.1).

A key advantage of coordinated distributed experiments over literature-based
meta-analyses for quantifying effects and pinpointing mechanisms is the opportu-
nity to employ consistent protocols, and even identical materials (Boyero & Pearson,
2017), at a wide variety of locations (Fraser et al., 2013). This methodological stan-
dardization eliminates important sources of variation and hence enhances statistical
power of hypothesis tests to facilitate detection of effects and generalities (Pennings
& Bertness, 1999). The first coordinated study indicating temperature effects on
litter decomposition in streams along a latitudinal gradient was conducted by Irons
et al. (1994), although the experiments were restricted to three sites across North
and Central America, with the possibility that any observed pattern was confounded
by factors other than temperature. However, more comprehensive studies with sites
distributed across all continents except Antarctica (e.g., Boyero, Pearson, Gessner,
et al., 2011) have reached similar conclusions (see below).

Ideally, global assessments are made through large coordinated networks of
researchers (e.g., GLoBE, 1000IRES, CELLDEX networks; Boyero & Pearson,
2017). This approach allows framing questions as hypotheses derived from previous
observations at multiple sites, which can then be tested by employing iden-
tical methods. The approach has its own difficulties, however, including disparate
geographic representation and effective coordination of teams and a lack of effective
funding mechanisms for international networks. Nevertheless, multiple standardised
global studies of litter decomposition in streams have been completed in recent years
(Fig. 4.2), starting with publications based on a modest number (~25) of globally
distributed sampling sites (Boyero et al., 2016; Boyero, Pearson, Dudgeon, et al.,
2011). These studies have identified consistent global patterns in decomposition
(Fig. 4.1) and provided insights into the influence of climatic and other environmental
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Fig. 4.1 Latitudinal variation in temperature-corrected decomposition rates (k per degree day)
reported in several global studies. Light grey lines represent microbial decomposition of litter
or cotton strips and dark grey lines represent total litter decomposition mediated by both
microorganisms and detritivores; r2 and p-values of linear regressions are shown

Polar/subpolar
Temperate
Subtropical
Tropical Mediterranean

Fig. 4.2 Map showing locations of regions included in global decomposition studies (extracted
from Boyero et al., 2021; Follstad Shah et al., 2017; LeRoy et al., 2019; Tiegs et al., 2019;
Zhang et al., 2019; blue, green, orange and red colours represent latitudinal bands (respectively:
polar/subpolar, >60º; temperate, 35–60º; subtropical, 23.5–35º; and tropical, 0–23.5º) and yellow
represents Mediterranean regions within temperate or subtropical areas
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variables on the process. Handa et al. (2014), working at 20 sites in five regions in
Europe and South America, highlighted the possible consequences of biodiversity
loss on litter decomposition, while at a larger scale Tiegs et al. (2019) were able
to sample approximately 500 riverine and 500 riparian sites using a standardized
substrate (cotton strips) and simple procedures to identify patterns and drivers of
microbial decomposition globally. Such studies have been undertaken in environ-
ments sharing major characteristics, apart from geographic location; nevertheless,
they can still display notable variability (Boyero, Pearson, Gessner, et al., 2015).

Following Boyero, Pearson, Gessner, et al. (2011), subsequent large-scale studies
on litter decomposition in streams have focused on the importance of water tempera-
ture and climatewarming (Follstad Shah et al., 2017), litter traits (Boyero et al., 2017;
García-Palacios et al., 2016;Zhang et al., 2019), plant phylogeny (LeRoy et al., 2019),
detritivore diversity (Boyero, Pearson, Dudgeon, et al., 2011; Boyero, Pearson, et al.,
2012; Boyero, Pearson, Swan, et al., 2015), plant diversity (Handa et al., 2014), and
biotic and abiotic drivers generally (Boyero et al., 2016; Tiegs et al., 2019). Themes
have expanded to include the impacts of exotic plant species, typically examined at
the regional scale (e.g., Boyero, Barmuta, et al., 2012), although a large-scale study
on the impact of Eucalyptus introductions on decomposition in streams was under-
taken across a broader geographical area (South America and Europe; Ferreira et al.,
2018). The importance of microorganisms on decomposition has long been recog-
nised both regionally and globally (e.g., Boyero, Pearson,Gessner, et al., 2011), and
knowledge has expanded with the global investigation by Seena et al. (2019) into
the diversity of fungi colonizing litter. Most commonly, studies have focused on
perennial headwater forest streams (Fig. 4.3), removing much of the environmental
variation that is characteristic of stream ecosystems (e.g., natural non-forest streams;
Tonin, Goncalves, et al., 2017). However, growing attention is given to global assess-
ments of non-perennial streams (Datry et al., 2018; Shumilova et al., 2019), adding
to our understanding of processes in contrasting stream environments.

4.4 Distinguishing Decomposition Pathways

Once entrained in a stream, litter is rapidly colonized by a diverse array of microor-
ganisms, particularly aquatic fungi, which account for 60–99% of microbial biomass
in litter decomposing in streams (Gessner, 1997; Kuehn, 2016), as well as by litter-
consuming detritivores (Graça, 2001; Marks, 2019). The process of microbial litter
colonization is often called ‘conditioning’ (Cummins, 1974), which involves the
modification of the leaf matrix and enhancement of leaf palatability for the detri-
tivores (Gessner et al., 1999). Aquatic hyphomycetes are effective in both roles
through, first, the production of extracellular enzymes that rapidly degrade complex
litter constituents and, second, the production ofmicrobial biomass containing essen-
tial nutrients for detritivores that are in short supply in the litter (Bärlocher &
Kendrick, 1975; Marks, 2019).
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A B C

D E F

G H I

Fig. 4.3 Examples of streams from around the world where decomposition studies have been
conducted. (a) Ecuador (0º); (b) French Guiana, France (4 ºN); (c) Queensland, Australia (19 ºS);
(d) Chile (37 ºS); (e) Spain (37 ºN); (f) Switzerland (46 ºN); (g) Germany (54 ºN); (h) Alaska,
USA (56 ºN); (i) Iceland (64 ºN). Photos by J. Schreckinger (a, with permission), M. Schindler (b,
with permission), L. Boyero (c, e), F. Correa-Araneda (d), M. O. Gessner (f), D. S. Finn (g, with
permission) and S. D. Tiegs (h, i)
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There is evidence that the fate of litter entering streams can differ depending on the
relative importance of microbial and detritivore-mediated decomposition. Decom-
position driven by fungi in streams, best understood through the study of aquatic
hyphomycetes, involves the mineralization of a large fraction of the litter into CO2

(Baldy et al., 2007; Suberkropp, 1991) and presumably other inorganic compounds.
Notable amounts of dissolved (Meyer et al., 1998) and fine-particulate (Suberkropp
& Klug, 1980) organic C and nutrients are also released (Gessner et al., 1999), espe-
cially as a result of effective litter maceration by fungal pectinases (Suberkropp &
Klug, 1980). Similarly, detritivores can be extremely important agents driving litter
decomposition (Wallace &Webster, 1996). By ingesting, digesting and egesting the
organicmatter, they transformpart of the litter into biomass, not unlike the conversion
of litter by microbes (Suberkropp et al., 2010), while simultaneously releasing CO2

and mineral nutrients (Iversen, 1979). Moreover, the litter consumed by detritivores
is fragmented during gut passage, resulting in the release of strikingly large amounts
of fine-particulate organic matter (FPOM), which is a staple food source for many
other animals (Wallace & Webster, 1996).

The relative proportions of these transformation products are likely to vary with
litter recalcitrance and environmental context (e.g., temperature, nutrient availability,
geochemistry, water pollution; Marks, 2019). Outcomes will also depend on the
extent to which microbial decomposers and detritivores interact. If, for example, the
microbial conditioning of litter is insufficient to narrow the typically large carbon-
to-nitrogen (C:N) and carbon-to-phosphorus (C:P) ratios of the plant tissue (Graça,
Ferreira, et al., 2015), detritivores will defecate a large portion of the ingested mate-
rial as FPOM (Manzoni et al., 2010). Or, when detritivores rapidly crop the microbial
biomass developing on decomposing litter, the contribution of microbes to decom-
position will be small, even when conditions for microbial growth are favourable
(Robinson et al., 1998). Thus, streams can experience very different rates of decom-
position, resulting in spatial variation that will influence the global patterns of the
process. Even when overall decomposition rates are similar, marked differences in
decomposition pathways and resource-use efficiency could still occur, depending
on whether microbial or detritivore-mediated decomposition dominate and which
decomposition pathways prevail (Boyero, Pearson, Gessner, et al., 2011).

4.5 Global Patterns and Drivers of Microbial
Decomposition

Microbial decomposition often constitutes a substantial fraction of the total amount
of litter decomposed in streams (Hieber & Gessner, 2002; Webster & Benfield,
1986). While the contribution of microorganisms to litter decomposition is not
homogenously distributed across the planet, it shows predictable large-scale patterns
across biomes and latitudinal gradients. Graça, Ferreira, et al., (2015) reviewed
these patterns using the hierarchical conceptual framework proposed by Royer and
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Minshall (2003), and identified multiple factors, from local to global scales, influ-
encing decomposition rates and the relative role of microbial decomposers and
detritivores.

Among these factors, temperature stands out as a main driver of microbial decom-
position and can explain much of this variability through its influence on metabolic
rate (Brown et al., 2004). Thus, low-latitude streams (i.e., those in tropical and
subtropical areas at latitudes between approximately 0 and 35º) generally show the
highest microbial decomposition rates (Boyero, Pearson, Gessner, et al., 2011; Irons
et al., 1994). However, variation within the tropics and subtropics is high (Boyero,
Pearson, Gessner, et al., 2015; Tiegs et al., 2019), partly due to large variation in
temperature across altitudinal gradients (Encalada et al., 2019). Furthermore, the non-
limiting role of temperature for decomposition in many tropical streams raises the
relative importance of other environmental factors such as nutrient availability or pH
(Tiegs et al., 2019).At high latitudes, in contrast, low temperatures impose constraints
on microbial activity, so microbial decomposition is slow and more consistent across
cooler areas of the planet (Tiegs et al., 2019). The critical role of temperature is
corroborated by results of studies quantifying decomposition rates per degree day
(rather than per day), an approach that removes the effect of temperature and facil-
itates examining the influence of other factors (Gessner & Peeters, 2020). Thus, a
global study showed no latitudinal gradient in microbially mediated litter decom-
position rates expressed per degree day (Boyero, Pearson, Dudgeon, et al., 2011;
but see Follstad Shah et al., 2017), and the latitudinal gradient found in cotton-strip
decomposition became much less pronounced when examined on a per-degree-day
basis (Tiegs et al., 2019).

A second factor varying at large scales and strongly influencing microbial decom-
position is litter quality, involving tissue concentrations of nutrients and secondary
compounds and leaf physical structure (e.g., toughness). Tropical streams often
receive litter inputs of lower quality than their high-latitude counterparts (Boyero
et al., 2017; Wantzen,Wagner, Suetfeld, et al., 2002). This includes lower concen-
trations of nutrients, especially P, which is probably related to the commonly low
nutrient content of tropical soils (Alvarez-Clare & Mack, 2011) resulting from their
old age (i.e., longerweathering) and high rates of nutrient leaching (Reich&Oleksyn,
2004), despite an efficient P resorption by tropical plants (Yuan&Chen, 2009).More-
over, litter with lower nutrient content is also often richer in refractory structural and
potentially inhibitory secondary compounds, reflecting defenses against herbivory
(Boyero et al., 2017; LeRoy et al., 2006). Litter quality tends to be low in semi-arid
and arid zones of the planet, which occur mostly at latitudes between 30° and 40º
in the northern and southern hemispheres (i.e., Mediterranean regions and deserts),
where leaves are often leathery and have thick cuticles (Gallardo & Merino, 1993).
However, many riparian plants could be exceptions to this rule as they are close
to a source of water and, potentially, nutrients (Smith et al., 1998). Lastly, while
broadleaf litter quality increases with latitude (Boyero et al., 2017), boreal forests
are dominated by conifers characterized by highly recalcitrant litter, and beyond 60º
of latitude (i.e., the tundra) few trees are found, so litter inputs to streams are scarce
and mostly composed of grasses and bryophytes (Peterson et al., 1986).
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Nutrients dissolved in stream water represent another important environmental
factor governing differences in spatial patterns ofmicrobial decomposition in streams
(Suberkropp & Chauvet, 1995). Aquatic hyphomycetes can readily retrieve nutri-
ents from water (Suberkropp, 1998), indicating that decomposition of litter can be
enhanced in nutrient-rich waters, particularly when litter nutrient concentrations are
low (Jabiol et al., 2019; Tonin, Boyero, et al., 2017). To date, however, data are
insufficient to assess the repercussion globally, because water chemistry is influ-
enced by an array of factors, including not only geology and soil quality, but also the
degree of human intervention. Nevertheless, evidence from a comprehensive meta-
analysis (Ferreira et al., 2015) and a coordinated experiment at the continental scale
(Woodward et al., 2012) suggests that global effects are likely to be important.

The effectiveness of microbial decomposition is also affected by seasonality,
which not only determines the timing of litter inputs but also temperature and stream-
flow regimes (including the occurrence of floods and droughts), which vary glob-
ally. Hydrological variability may be high in the tropics, either day to day near the
equator (Yule & Pearson, 1996), or seasonally in other tropical areas, and floods
reduce litter availability (Graça, Ferreira, et al., 2015). Seasonality is also critically
important at mid latitudes (≈35–50º), where most research on decomposition has
been conducted to date. Studies at mid latitudes have generally taken place during
and shortly after peak litter fall in the autumn and early winter as the most relevant
season for decomposition to occur naturally. At higher latitudes, seasonal fluctua-
tions are also high, but litter inputs aremore variable, ranging fromdistinctly seasonal
to irregular throughout the year (Benfield, 1997), although much less information
on seasonal influences on litter decomposition in streams is available from these
latitudes.

Microbial decomposition can be related to the biomass and productivity of aquatic
hyphomycetes (Gessner & Chauvet, 1994), as well as their diversity and sporulation
rate (Pérez et al., 2012). Contrasting with the general trend of increased biological
diversity towards the tropics (Willig et al., 2003), aquatic hyphomycete diversity
peaks at mid latitudes (Duarte et al., 2016; Jabiol et al., 2013; Seena et al., 2019),
and is often low in streams outside the temperate zones (Graça, Hyde, et al., 2015).

4.6 Global Patterns and Drivers of Detritivore-Mediated
Decomposition

Shredders, defined as invertebrates with mouthparts capable of cutting and chewing
litter (Cummins et al., 1989), are a key functional feeding group in forested head-
water streams (Vannote et al., 1980; Wallace et al., 1997). Here we extend the
group of invertebrates exploiting leaf litter in streams, referring more generally to
litter-consuming detritivores, which include taxa that may be classified in functional
feeding groups other than shredders but may nonetheless feed on litter and thus
contribute to decomposition (Boyero et al., 2020).
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Many local studies conducted in temperate climates have reported high abun-
dances and taxonomic richness of litter-consuming detritivores, and large contribu-
tions to total decomposition (20–60% of total litter mass loss; Andrushchenko et al.,
2016; Bruder et al., 2014; Cuffney et al., 1990; Graça, 2001; Hieber&Gessner, 2002;
Pascoal et al., 2005; Woodward et al., 2012). In contrast, studies from tropical areas
have reported awide variety of results:whilemost have emphasized a paucity of litter-
consuming detritivores and low detritivore-mediated decomposition rates (<10% of
total litter mass loss; Bruder et al., 2014; Dobson et al., 2002; Gonçalves et al., 2007;
Irons et al., 1994; Pettit et al., 2011;Rueda-Delgado et al., 2006; Tenkiano&Chauvet,
2018; Zúñiga-Céspedes et al., 2018), others have found numbers of litter-consuming
detritivores similar to those of streams in temperate regions, with important contri-
butions to decomposition (Cheshire et al., 2005; Encalada et al., 2010; Fugère et al.,
2018; Graça&Cressa, 2010; Jinggut&Yule, 2015;Masese et al., 2014; Tonin, Hepp,
et al., 2018; Yule et al., 2009).

The large variability in the abundance and richness of these detritivores across
tropical streams reported from local investigations has been further supported by
global studies that have used identical methods across multiple sites (Boyero,
Pearson, Dudgeon, et al., 2011; Boyero, Pearson, et al., 2012; Boyero, Pearson,
Gessner, et al., 2015). Nevertheless, these studies have typically reported litter-
consuming detritivore abundance and richness more than two-fold higher in
temperate than tropical streams. Similarly, despite high variability in detritivore-
mediated decomposition rates, global studies have demonstrated an overall increase
with latitude (Boyero et al., 2016; Boyero, Pearson, Dudgeon, et al., 2011; Follstad
Shah et al., 2017), confirming earlier results based on studies conducted at a restricted
number of sites (Irons et al., 1994).

Several explanations have been invoked for the latitudinal gradient in detriti-
vore numbers. First, many typical litter-consuming detritivores are evolutionarily
adapted to cool waters, and may be scarce in the tropics because of limited toler-
ance to elevated temperature (Boyero, Pearson, Dudgeon, et al., 2011). The key role
of temperature is supported by the observation that, along altitudinal gradients in
some tropical areas, detritivore abundance and richness are greater at cooler sites
at high altitudes (Yule et al., 2009). Moreover, cool water at high latitudes reduces
microbial activity, possibly allowing litter to persist in streams for extended periods,
especially if temperatures below freezing point prevent flushing by high streamflow,
thus providing more reliable resources for litter-consuming detritivores to flourish
(Dobson et al., 2002; Irons et al., 1994). However, low temperatures may not be
advantageous if microbial conditioning is essential for detritivore feeding (Graça,
2001).

Second, seasonality may affect detritivore-mediated decomposition through
effects on litter availability much more than microbial decomposition, because life
cycles of invertebrates are longer and more complex. Flood disturbances can deplete
streams from litter and result in unfavourable conditions to detritivores relying on this
resource (Coughlan et al., 2010; Graça, Hyde, et al., 2015;Wantzen&Wagner, 2006;
Yule, 1996). However, there are indications that stream detritivore communities can
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quickly recover after floods (Wootton et al., 2018), and floods are not necessarily
more frequent in the tropics than at higher latitudes (Winterbourn et al., 1981).

Third, litter quality tends to decrease towards the equator, as reported by several
local studies (Coley & Barone, 1996; Dobson et al., 2002; Stout, 1989; Wantzen,
Wagner, et al., 2002; Marquis et al., 2012) and a global study examining 151 riparian
tree species from 24 regions across a latitudinal gradient (Boyero et al., 2017). Trop-
ical plants are often better protected against consumers: they are tougher and contain
more toxic compounds,most ofwhich remain active after senescence, and they tend to
be more depleted in P relative to C (i.e., their C:P ratios are high) than their temperate
counterparts (Boyero et al., 2017). However, reciprocal incubation experiments have
produced contradictory evidence, with high-quality temperate litter decomposing at
rates lower than or equal to tropical litter in tropical streams (Bruder et al., 2014;
Ferreira et al., 2012).

A fourth explanation is related to the Bergman and temperature-size rules (Foster
et al., 2011; Horne et al., 2015).Many invertebrates are smaller at lower latitudes, and
smaller invertebrates may be less efficient at consuming litter because their mouth-
parts are not sufficiently robust to shred tough leaf tissue effectively. However, large
crustaceans (e.g., Brachyura, Parastacidae, Palaemonidae, Atyidae) are common in
tropical streams and can readily consume such decomposing litter (Coughlan et al.,
2010; Dobson et al., 2002; Wantzen & Wagner, 2006). Other large litter-consuming
detritivores at low latitudes include some snails and semi-aquatic cockroaches (Yule
et al., 2009; M. Moretti, pers. comm.) and probably tadpoles (Schmidt et al., 2017).
However, these animals are often too large to enter litterbags, and thus may have
been overlooked in decomposition studies. Finally, many tropical taxa are likely to
have been incorrectly assigned to functional feeding groups, given the lack of knowl-
edge on the feeding ecology of these invertebrates and reliance on information from
related taxa in temperate regions. For example, mayflies usually consume FPOM,
or scrape off biofilms, but some genera such as Atalophlebia (Leptophlebiidae) in
Australia (Cheshire et al., 2005), or Acanthiops (Baetidae) in Africa (Dobson et al.,
2002) have been identified as litter consumers. Collectively, the above factors may
thus have resulted in a general underestimation of litter-consuming detritivores in
tropical streams.

4.7 Conclusion and Perspectives

Globally coordinated studies have contributed substantially to assessing the impor-
tance of litter decomposition as a pivotal ecosystem process in streamsworldwide. Is,
then, the process of global importance? The answer to this question is not yet clear.
Despite its impressive length, the global stream network represents only a small
area of the planet (approximately 0.6% of the non-glaciated land surface; Allen
& Pavelsky, 2018). However, given the tight linkages to their catchments through
direct or indirect inputs of terrestrial organic matter, and because of much higher
decomposition rates than in terrestrial environments (Handa et al., 2014), streams



4 Global Patterns of Plant Litter Decomposition in Streams 63

could have a significantly greater influence on global C and nutrient cycles than their
surface area implies. This would suggest that comprehensive global-scale analyses
of litter decomposition are needed to elaborate robust estimates of the contribution
of stream ecosystems to global biogeochemical cycles. The relative contribution of
chemical and biological processes in inland waters to global atmospheric CO2 is
largely unknown at present (Hotchkiss et al., 2015; Raymond et al., 2013). However,
von Schiller et al. (2019) presented a first estimate of CO2 release from decomposing
litter in the global network of intermittent streams, and Boyero, Pearson, Gessner,
et al. (2011) concluded that C sequestration resulting from incomplete decomposition
in streams before deposition in lake and ocean sediments increases with latitude.

Many major research gaps remain beyond the current lack of reliable global esti-
mates, despite growing attention given to litter decomposition across broad geograph-
ical areas. In particular, wide areas of the planet remain greatly understudied, espe-
cially in Asia andAfrica but also in Central and South America (Fig. 4.2). These gaps
in geographic coverage are most evident in the tropics, and result in large uncertain-
ties, not least because many of these regions are characterized by a particularly high
diversity of habitats and species. Even within better-known regions, investigations
into the decomposition of litter in streams have typically been limited to a few dozens
of sites, data on which are insufficient as a basis for reliable broad-scale assessments.

Global studies may help to identify gaps that may be pursued at local or regional
studies and in laboratory experiments. For example, large numbers of local studies
have contributed to understanding the influence of temperature (Ferreira & Chauvet,
2011; Martínez et al., 2014), dissolved nutrients (Connolly & Pearson, 2013; Gulis
et al., 2006; Rosemond et al., 2015), land-use change (Wild et al., 2019), and biotic
factors such as biodiversity, phylogeny and plant traits (López-Rojo et al., 2018,
2019; Tonin, Boyero, et al., 2017) on decomposition, but few studies have addressed
the effects of intra- and interspecific interactions or body size of detritivores (Boyero
& Pearson, 2006, Tonin, Pozo, et al., 2018). The importance of nutrients other than
N and P such as calcium and magnesium has been highlighted but has received
little comprehensive study (García-Palacios et al., 2016). With regard to nutrients,
there is extensive literature on their influence on decomposition in streams (e.g.,
Ferreira et al., 2015; Woodward et al., 2012), but there are no global comparisons of
the influence of decomposition on nutrient dynamics in streams. Regarding climate
change, some studies have directly addressed the effects of warming (e.g., Boyero,
Pearson, Gessner, et al., 2011; Follstad Shah et al., 2017) and decreased flow (Sabater
et al., 2018) on decomposition, suggesting that responses vary across biomes. Still to
be considered are the effects of climate change on the diversity of litter and microbial
decomposers and litter consuming detritivores. Finally, knowledge of decomposition
responses to hydrological regime shifts, which are inconsistent amongst regions of
the world, may be improved through climate modelling at regional scales.

Clearly, large-scale assessments must address substantial variability within
regions resulting fromvariation in climate, geology, vegetation and human influences
that shape regional and larger-scale patterns in decomposition rates, pathways and
controlling factors. This variety of stream environments needs to be comprehensively
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documented and explicitly accounted for in analyses of relationships between envi-
ronmental drivers and decomposition. For example, how do slow-flowing lowland
streams compare with the swiftly flowing upland streams where litter decomposi-
tion has been studied most commonly? Or, do deforestation, nutrient enrichment,
changes in hydrological regimes or channel morphology, biodiversity loss or species
range shifts, warming, salinization, and other anthropogenic perturbations affect
the process similarly in different biomes? Global surveys, meta-analyses or specif-
ically targeted studies could address such questions. Particularly useful could be
coordinated manipulative experiments designed to assess the importance of indi-
vidual drivers and their combinations. Such experiments are logistically challenging
at the global scale, difficult to fund, and lacking to date. They could prove extremely
powerful, however, to achieve a quantitative understanding of the hierarchy of drivers
(Graça, Hyde, et al., 2015) controlling litter decomposition in streams across the
globe.
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Chapter 5
Plant Litter Decomposition
in Intermittent Rivers and Ephemeral
Streams

Rubén del Campo, Arnaud Foulquier, Gabriel Singer, and Thibault Datry

Abstract Intermittent rivers and ephemeral streams (hereafter IRES) are waterways
that temporarily cease to flow and/or dry up. They represent half the length of the
global river network and are expanding in time and space in response to global
change. The hydrological regimes of IRES are characterized by alternating flowing,
non-flowing and dry phases, which translate to varying importance of in-stream
litter accumulation, processing and downstream transport. Decomposition agents,
processes and rates dramatically change among these hydrological phases, leading
to decomposition dynamics that differ markedly from perennial rivers and streams.
As a result, IRES have a specific “biogeochemical heartbeat” characterized by high
temporal and spatial variability of leaf decomposition, and so they can be idealized as
pulsed bioreactors. The ecological effects of flow cessation and drying are sometimes
visible far beyond rewetting, generating “legacy effects” that become apparent even
during later flowing phases. Rewetting events can represent “hot moments” of litter
decomposition due to the intense biological and physical activities, generating pulses
of transport and decomposition. Upscaling the abundant reach-scale knowledge to
larger river-network scales is probably one of the most challenging but timely paths
for future research.
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5.1 What Are Intermittent Rivers and Ephemeral Streams?

5.1.1 Habitat Mosaic and Hydrological Phases

Intermittent rivers and ephemeral streams (IRES) include all flowing waters that
temporarily cease toflow in surface and/or dry at somepoint along their course (Datry,
Bonada, et al., 2017, Fig. 5.1). With the cessation of surface flow, shallow water
habitats dry and thereby generate a chain of isolated pools, potentially still connected
by hyporheic flow. We refer here to this phase as the non-flowing period. Finally,
the drying results in the complete disappearance of surface water in the channel
(though hyporheic flowmay still exist) and leads to the dry phase. In response to river
discharge and groundwater levels (Datry et al., 2016; Jaeger et al., 2014; Stanley et al.,
1997), the extent of and connectivity between flowing, non-flowing and dry habitats
(Fig. 5.1) vary continuously across a river network, forming a dynamically shifting
mosaic of terrestrial and aquatic habitats. These dynamics translate to hydrological
phases, which are each characterised by different biota, ecological processes and
ecosystem services (Datry et al., 2014). The phase shifts can represent hot moments
(sensu McClain et al., 2003) for some biological processes, e.g., the increase of
aquatic food resources available for terrestrial invertebrates when surface water flow
disappears (McIntosh et al., 2017), or the transport of terrestrial organisms (Corti &
Datry, 2012) and huge amounts of organic matter (Datry et al., 2018) to downstream
ecosystems upon rewetting.

5.1.2 Abundance and Distribution

Classifying flow regimes is complex. The scientific literature shows many efforts
(e.g., Gallart et al., 2012; Uys &O’Keeffe, 1997; Williams, 2006) to assign names to
classes of intermittent rivers based on drying duration, frequency and predictability.

Fig. 5.1 Alternatingflowing (a), non-flowing (b), dry (c), and rewetting phases (d) in an intermittent
river in France (Calavon River). Photo credits: Bertrand Launay
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However, a global consensus remains elusive, as many intermittently flowing water-
ways dry for widely different periods in different years, leading to variation of a
single waterway among different categories (Datry, Bonada, et al., 2017). For the
sake of simplicity, we refer to ‘intermittent rivers and ephemeral streams’, IRES, to
refer to all flowing waters that cease to flow or dry completely at some point along
their course. Arguably the world’s most widespread type of flowing water (Datry
et al., 2018; Larned et al., 2010), IRES range from small ephemeral streams that flow
for a few days after heavy rain to large intermittent rivers that recede to isolated pools
but might not dry completely. We acknowledge that some rivers can be ephemeral
and streams intermittent and that many local names such as winterbournes, wadis,
arroyos and ramblas (e.g., Steward et al., 2012) can be used to describe IRES. This
diversity of names highlights the diversity and cultural importance of IRES to people
living in their catchments (Fig. 5.2).

IRES occur on all continents, including Antarctica (Larned et al., 2010; Steward
et al., 2012). Some global estimations calculate that IRES comprise 15%of the global

Fig. 5.2 Different types of IRES from across theworld during non-flowing conditions: (a) unnamed
karstic stream, West Coast, South Island, New Zealand, (b) Río Seco, Chaco, Bolivia, (c) Asse
River, Provence, France, (d) unnamed gravel-bed stream, West Coast, South Island, New Zealand,
(e) unnamed stream, Altiplano, Bolivia, (f) Chaki Mayu, Amazonia, Bolivia, (g) Clauge, Jura,
France, (h) Calavon River, Provence, France, and (i) Hozgarganta River, Andalucía, Spain. Photo
credits: Thibault Datry (a–f), Bertrand Launay (g, h), and Núria Bonada (i). Figure extracted from
Datry, Corti, et al. (2017). Permission for reuse requested from Elsevier
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river-network area (Raymond et al., 2013), representing >50% of the global river-
network length (Lehner et al. personal communication). Indeed, every river network
may include IRES virtually, since headwaters are usually at least partly intermittent
(Fritz et al., 2013; Grill et al., 2019; Lowe & Likens, 2005). IRES are ubiquitous in
most climatic regions (Bonada & Resh, 2013; Leigh et al., 2016; Sabater & Tockner,
2010; Vander Vorste et al., 2020) but are particularly conspicuous in arid landscapes,
which constitute already more than a third of the Earth’s land surface (Millenial
Ecosystem Assessment, 2005; Tooth, 2000; Fig. 5.2). For example, more than the
70% of rivers in Australia are considered intermittent (Sheldon et al., 2010), 66
to 94% of river lengths in Southwest USA have an intermittent or ephemeral flow
regime (Levick et al., 2008), and up to 35% of the French river network is prone to
drying (Snelder et al., 2013).

5.1.3 Drivers of Flow Intermittence and Trends

Different processes generate natural flow intermittence in streams and rivers, acting
individually or in combination: transmission loss (infiltration of surface water into
porous streambeds), evapotranspiration, downward shifts in groundwater tables, hill-
slope runoff recession, and freezing (Larned et al., 2010). Furthermore, there is
growing evidence that the total number and length of IRES is increasing due to
anthropogenic causes. Anthropogenic flow intermittence can be due to: alteration of
land-use patterns, flow regulation and diversion, surface or groundwater extraction,
and reduced precipitation and increased evaporation resulting from climate change
(Datry, Bonada, et al., 2017; Palmer et al., 2008; Steward et al., 2012).

There is little doubt that IRES are going to be the dominant type of waterway in
the near future (Datry et al., 2018) due to the predicted increase in flow intermittence
worldwide as a consequence of natural and anthropogenic disturbances associated
to climate and global change. Currently, many IRES are already experiencing longer
and more frequent flow cessation and dry periods. For example, using a hydrological
modelling coupled to climate change scenarios, Cipriani et al. (2014) estimated
annual flow intermittence to increase on average by 5–10%by2050 in the intermittent
Albarine River in France. Water abstraction and impoundment have caused many
formerly perennial rivers to become intermittent in the last 50 years, including large
rivers such as the Nile, Indus, Yellow, Amu and Syr Darya, Rio Grande and Colorado
(Meybeck, 2003; Postel, 2000). In the near future, the extent of IRES in fluvial
networks will increase particularly in regions where severe climatic drying and/or
water appropriation occurs (Cipriani et al., 2014; Döll & Schmied, 2012; Larned
et al., 2010). Transitions of flow regime from perennial to intermittent are projected
until the 2050s globally, for instance in Mediterranean regions, Southern and West
Africa, Brazil, the Caribbean, California or north-eastern Australia (Döll & Schmied,
2012). On the contrary, some IRES might shift to a perennial flow regime due to
warmer winters in some parts of Alaska, Canada or Siberia (Döll & Schmied, 2012).
Similarly, the influence of the discharge of agricultural fields, industrial or municipal
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effluents, the controlled releases from dams and weirs, or the transfer of river water
among basins may also turn some IRES into perennial waterways (Datry et al., 2014;
Hassan & Egozi, 2001; Steward et al., 2012).

5.2 Rates, Agents and Processes of Leaf Litter
Decomposition in IRES Habitats

5.2.1 Leaf Litter Decomposition in Flowing Water Conditions

Processes and agents involved in leaf litter decomposition in IRES during flowing
phases are similar to perennial water courses. Leaf litter decomposition is driven
by a combination of abiotic (leaching of soluble compounds, physical abrasion) and
biotic processes (microbial- andmacroinvertebrate-driven decomposition) (Fig. 5.3).
However, preceding dry phases can exert a strong negative effect on the aquatic
decomposition rates of leaf litter during the flowing phase of IRES. Various studies
have reported that the increase of the dry-phase length and drying frequency may
result in a drastic decrease of leaf litter decomposition rates in IRES compared to
perennial streams (Table 5.1) (Datry et al., 2011;Maamri et al., 1997, 2001;Martínez
et al., 2015; Monroy et al., 2016; Schlief & Mutz, 2011; but see Pinna et al., 2016).
Lower rates of decomposition have been attributed to lower shredder abundances and
biodiversity in IRES compared to perennial systems (Datry et al., 2011; Mariluan
et al., 2015; Martínez et al., 2015; Monroy et al., 2016; Pinna et al., 2016; Schlief
& Mutz, 2011). In contrast, the rates of microbial decomposer activity seem to be
less affected by flow intermittence, suggesting a higher resistance and resilience of
microbial communities to drying events than of macroinvertebrates (Datry et al.,
2011; Mariluan et al., 2015; Pinna et al., 2016). High functional redundancy, shorter
generation times or higher phenotypic plasticity may be reasons (Bonada et al., 2017;
Zeglin, 2015), yet there may also be higher chances for adaptation for microbial
communities to conditions in IRES (Gionchetta et al., 2019; Timoner et al., 2012,
2014). It is expected, for instance, that IRES should be dominated by fungal species
with traits of higher desiccation resistance (see Shearer et al., 2007). So far, the
most common strategies observed in decomposer communities in IRES to resist
flow intermittence are the use of humid refugia (like leaf litter packs or hyporheos)
during drying, or species with terrestrial and aquatic life cycle stages that pass to a
dormant state during the dry phase (Romaní et al., 2017). Despite that, the few studies
comparing microbial decomposer communities in intermittent and perennial rivers
so far have found only very limited differences in diversity, richness and composition
of species (Febria et al., 2015; Foulquier et al., 2015; Maamri et al., 2001). Although
prokaryotic biofilm communities have been well studied in IRES during last years
(see Romaní et al., 2017; Sabater et al., 2016), the number of studies comparing
the diversity of fungal and bacterial decomposer communities in intermittent and
perennial streams is still limited (see Romaní et al., 2017), so further research to
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Fig. 5.3 Decomposition agents and factors driving leaf-litter decomposition in flowing water
conditions and in the terrestrial-aquatic habitat mosaic appearing during drying. During flowing
conditions, leaf litter is mainly processed by aquatic decomposers in a similar way to perennial
streams, physical processes such as leaching and mechanical abrasion and fragmentation during
transportwith flowingwater play additional roles.With drying, the recession of floweventually shuts
down downstream transport and leaf litter can accumulate in habitats with various environmental
conditions (isolated pools, wet-shaded areas, irradiated and dry riverbed spots). In this dynamic
terrestrial-aquatic habitat mosaic leaves can partially decompose under the influence of multiple
biotic and abiotic factors, which can translate into a conditioning of the leaf material that affects its
later decomposition after rewetting. See Table 5.2 for more information about changes in leaf-litter
chemistry and biodegradability during the non-flowing period. Diagram made by Patricia Tudela
Rosique
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identify and discern particularities of microbial decomposer communities in IRES
is required.

5.2.2 Leaf Litter Decomposition in the Terrestrial-Aquatic
Habitat Mosaic During Drying

The cessation of surface flow promotes the fragmentation of surface water and the
formation of isolated pools along the stream channel. Water physicochemistry in
isolated pools can be highly heterogeneous (see von Schiller et al., 2017), which
can result in different implications for the processing of leaf litter in these habitats.
In stagnant pools exposed to solar radiation, warmer water, lack of water renewal
and the accumulation of riparian leaf litter enable high respiration rates and promote
hypoxic conditions (Canhoto et al., 2013; von Schiller et al., 2011). The leaching
of leaf litter also leads to higher nutrient concentrations, water acidification and
an accumulation of potentially toxic compounds (Canhoto et al., 2013; von Schiller
et al., 2011). These adverse environmental conditions can curb decomposition of leaf
litter due to reduced microbial and detritivore activities (Table 5.1) (Canhoto et al.,
2013; Corti et al., 2011; Schlief & Mutz, 2009). Some remnant pools, however, can
remain sufficiently well connected to hyporheic flow and may thereby maintain as
a favourable refuge for microbial decomposers and shredders (Bogan et al., 2019)
during the non-flowing phase. These can then drive leaf litter decomposition even
in the absence of flowing conditions (Abril et al., 2016; Corti et al., 2011; Langhans
et al., 2008).

Besides remnant pools, dry and exposed stream habitats are an important habitat
with ongoing drying. Eventually, the complete disappearance of surface water in
the channel makes dry streambeds the dominant habitat in the dry phase of IRES.
The consequent emersion of leaf litter considerably reduces its decomposition due
to the drastic reduction of microbial decomposer and detritivore activities (Table
5.1) (e.g., Boulton, 1991; Bruder et al., 2011; Corti et al., 2011; Duarte et al., 2017;
Foulquier et al., 2015; Maamri et al., 1997, 2001; Mora-Gómez et al., 2018). The
disappearance of water means great physiological stress to aquatic organisms and
results in marked changes in the composition and activity of microbial decomposers
and detritivores (Duarte et al., 2017; Foulquier et al., 2015; Larned et al., 2007;Mora-
Gómez et al., 2018). Aquatic shredders undergo a severe decline with the absence
of water (eg. Abril et al., 2016; Corti et al., 2011; Datry, 2012; Martínez et al.,
2015; Schlief & Mutz, 2011), but, conversely, these conditions allow colonization
by terrestrial invertebrates (Corti &Datry, 2016; Corti et al., 2013; Sánchez-Montoya
et al., 2016), which might then participate in the decomposition of accumulated leaf
litter during the dry phase of IRES, although the evidence for this is still very scarce
(see Bastow et al., 2002; Rosado et al., 2014). Reductions in water availability reduce
microbial biomass and constrain microbial activities through a reduction of substrate
and nutrient diffusion combined with osmotic stress when water potential declines
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(Amalfitano et al., 2008; Duarte et al., 2017; Manzoni et al., 2012; Mora-Gómez
et al., 2018; Schimel et al., 2007). Relatively high rates of decomposition may be
maintained in relatively moist habitats such as shaded sediments close to riparian
vegetation or subsurface zones (Abril et al., 2016; Arias-Real et al., 2019; Burrows
et al., 2017; Gionchetta et al., 2019; Solagaistua et al., 2016).

While the absence of water reduces the leaching rates and physical abrasion asso-
ciated to the flowing phases, leaf litter can be more exposed to other abiotic factors
such as solar radiation, high temperatures or precipitation. In fact, during the dry
phase, abiotic factors can have a greater relative importance on leaf litter than biotic
ones (Steward et al., 2012). Local environmental conditions of the stream reach (for
instance, shading by riparian vegetation canopy) can modulate the intensity of these
abiotic factors on leaf litter and thus its processing during the dry phase (del Campo
et al., 2019). On dry streambeds with low riparian cover, solar radiation can become
themain factor affecting leaf litter (Abril et al., 2016; del Campo et al., 2019). It drives
photodegradation through photolysis reactions of aromatic and condensed aromatic
compounds (mainly lignin and phenols otherwise considered recalcitrant) that have
a higher capacity to absorb solar radiation (Austin & Ballaré, 2010). This translates
to photochemical mineralization of organic matter (Austin & Vivanco, 2006; Brandt
et al., 2009; Rutledge et al., 2010) aswell as chemical changes of the residualmaterial
with implications for later decomposition (see Table 5.2). Occasional rainfall events
that rewet riverbeds without leading to the resumption of flow can promote certain
mass loss of leaf litter by leaching (del Campo et al., 2019;Mora-Gómez et al., 2019),
while at the same time they can trigger brief pulses of organic matter decomposition
(Muñoz et al., 2018; Timoner et al., 2014) with peaks of CO2-production (Datry
et al., 2018; Gómez-Genner et al., 2016; Marcé et al., 2019). For arid lands similar
phenomena are known as the “Birch effect”, i.e., the abrupt increase of organicmatter
mineralization and associated CO2 emissions following the rewetting of previously
dry soils (Birch, 1958; Wilson & Baldwin, 2008).

5.3 Dynamics of Leaf Litter Decomposition in IRES

5.3.1 IRES Act Locally as Punctuated Biogeochemical
Reactors

In IRES, processing of leaf litter and other detrital organic matter is highly dynamic,
reflecting the hydrological dynamics of IRES, which, as coupled aquatic-terrestrial
ecosystems, function as ‘pulsed biogeochemical reactors’ (Fig. 5.4). These are
conceptualized as processing, storing and transporting organic matter in response to
temporal flow fluctuations (Datry et al., 2014; Jacobson & Jacobson, 2013; Larned
et al., 2010).

Leaf litter is processed mostly during flowing phases when both aquatic microbial
decomposers and shredders reach their maximum densities and activities in IRES
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Table 5.2 Examples of typical preconditioning situations that can affect the chemical composition
and biodegradability of leaf litter accumulated in various riverbed habitats during drying. How
leaf litter is conditioned in IRES during the non-flowing phase depends on locally heterogeneous
environmental conditions. Due to the great spatiotemporal heterogeneity of these rivers, various
of these habitats may even be found along the same stream reach, which can lead to a chemical
diversification of leaf litter at small spatial scale. In the table, question marks indicate that the
effect of abrasion and fragmentation of leaf litter on its biodegradation by aquatic decomposer
communities have not been tested yet

Riverbed habitats Decomposition agents or
factors involved

Effect on leaf litter Effect on leaf litter
biodegradability

Open, exposed
dry riverbeds

Solar radiation and heat × Lignin loss by
photodegradation1,2,3

+

× Increase of organic
matter solubility
enhancing leaching
loss4,5,6 (combined action
of sunlight and heat)

–

× Polymerization and
accumulation of phenolic
compounds6 (combined
action of sunlight and
heat)

–

Rain × Leaching of nutrients
and more soluble C
compounds3,6

–

Other abiotic factors
(wind, sediment
burial…)

× Abrasion7 ?

Humid riverbed
sediments

Terrestrial invertebrates × Fragmentation8,9 ?

Microbial activity × Consumption of labile
C resources and
accumulation of
recalcitrant
compounds5,10,11

–

× Increase of the nutrient
content (mainly N, but
also P) by microbial
immobilization3,11,12

+

Stagnant pools Anoxic, acid water × Leaching of nutrients
and more soluble C
compounds4,13

–

× Accumulation of
phenolic compounds and
cellulose due to acidic
conditions4

–

1Austin et al. (2016), 2Pu et al. (2014), 3del Campo and Gómez (2016), 4Dieter et al. (2013), 5Abril
et al. (2016), 6del Campo et al. (2019), 7Austin (2011), 8Bastow et al. (2002), 9Rosado et al. (2014),
10Zheng et al. (2018), 11Mora-Gómez et al. (2019), 12Abelho and Descals (2019), 13Dieter et al.
(2011)
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Fig. 5.4 Temporal changes in organic-matter dynamics associated with the hydrological phases of
intermittent rivers. Due to their dynamic hydrology, IRES are considered to function as punctuated
biogeochemical reactors. The continuous succession of drying/rewetting events promote a pulsed
processing of organic matter in these streams, mainly during flowing water conditions. After the
cessation of surface flow, leaf litter and other organic-matter substrates (woody litter, dead macro-
phytes) are retained and preconditioned under diverse terrestrial-aquatic habitat conditions until
flow resumes and organic matter is transported downstream, where a new decomposition cycle can
start again. Diagram made by Patricia Tudela Rosique

(Datry et al., 2014; Foulquier et al., 2015). As drying starts and flow first diminishes
and then stops, leaf litter and other organic substrates (woody debris, algal mats, fine
particulate organic matter) experience slower decomposition and start to accumulate
on the riverbed (Datry et al., 2018; Dewson et al., 2007; Stanley et al., 1997). Partic-
ularly, in forested IRES with deciduous vegetation, massive amounts of riparian leaf
litter can accumulate on dry riverbeds due to early abscission periods caused by
the increase of water stress during summer (Acuña et al., 2007; Datry et al., 2018;
Sanpera-Calbet et al., 2016).

The fragmentation of surface flow during drying prompts the emergence of a
shifting mosaic of terrestrial and aquatic habitats (Datry et al., 2014; Stanley et al.,
1997), where leaf litter can accumulate and remain immobilized, yet exposed to
diverse environmental conditions (Figs. 5.3 and 5.4). These include highly irradi-
ated dry riverbed areas, isolated pools with high temperature, cold pools connected
to hyporheic flow, wet and shaded remnant sediments, or even areas subjected to
recurrent wet-dry cycles. Most leaf litter accumulates under environmental condi-
tions where it undergoes modest microbial decomposition and various physical and
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chemical conditions can lead to chemical alteration of leaf litter (e.g., dry riverbeds
or isolated pools). This type of organic matter processing may be more aptly concep-
tualized as “preconditioning” as its most important consequence is the modulation of
later decomposition rates in aquatic conditions after flow resumption (see Table 5.2
for some examples) (del Campo et al., 2019; Dieter et al., 2011, 2013; Mora-Gómez
et al., 2019).

Once the dry phase finishes, the resumption of surface flow promotes the reac-
tivation of aquatic decomposition but also the downstream transport of leaf litter
(Fig. 5.4). The relative dominance of decomposition versus transport depends on the
type of rewetting. The resumption of flow can be very variable inmagnitude, type and
timing, depending on the climate, hydrology and position in the catchment (Corti &
Datry, 2012; Larned et al., 2010; von Schiller et al., 2017). The re-establishment of
flow can arise from gradual increases of discharge following the rise of groundwater
levels or be very pronounced and abrupt (e.g., flash flooding), if triggered by intense
runoff events following storms. Flash floods can cause spectacular downstream trans-
port of massive amounts of leaf litter, which form subsidies for downstream located
ecosystems rather than entering local decomposer food chains. This is facilitated by
more extreme flows, that appear during flash floods, driving physical abrasion (Corti
& Datry, 2012) and constraining microbial activity due to shear stress (Zoppini et al.,
2010). In contrast, gradual rewetting favours the onset of microbial decomposition
over transport. The slow increase of water and nutrient availability promotes the
release of physiological constraints imposed on microbial communities during the
dry phase and thus a rapid stimulation of microbial decomposition, similarly to the
Birch effect (Bruder et al., 2011;Maamri et al., 2001; Schlief &Mutz, 2011). Indeed,
a recent study involving IRES worldwide, has shown that microbial communities of
the litter itself can become activatedwithin a fewminutes upon rewetting and produce
a peak of respiration within 24 h (Datry et al., 2018). According to estimations by
Datry et al. (2018), these CO2 respiration pulses associated to leaf litter rewetting
can amount to 10% of the daily CO2 emissions coming from perennial rivers and
streams. Consequently, rewetting events are ‘hot moments’ (McClain et al., 2003)
in river metabolism (von Schiller et al., 2019) due to the transport of large amounts
of particulate organic matter from dry riverbeds and the release of huge loads of
dissolved organic carbon and nutrients to the water column by leaching (Corti &
Datry, 2012; Shumilova et al., 2019). Furthermore, increased microbial respiration
on leaf material and dissolved organic matter might even lead to negative implica-
tions on stream functioning through the development of hypoxic conditions during
blackwater events (flood events characterized by extremely high dissolved organic
carbon values in the water column) (Hladyz et al., 2011). Finally, an important aspect
of rewetting events is that the dominance of transport along the riverine continuum
suggests the necessity to conceptualize leaf litter processing in IRES at the larger
spatial scale of a river network instead of just at the reach scale.
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5.3.2 Leaf Litter Decomposition Across River Networks:
IRES as Dynamic Metaecosystems

Ecologists increasingly recognize river networks as metaecosystems, i.e., sets of
connected local “component” ecosystems that exchange organisms (species) and
resources (nutrients and organic matter) at a larger ‘regional’ landscape scale (Battin
et al., 2008; Loreau et al., 2003). The application of the metaecosystem concept
to the real world is still a challenging topic 17 years after its conceptual birth by
Loreau et al. (2003) and would certainly benefit from a more intense exchange
between theory and empirical research (Gounand et al., 2018). River networks are
especially challenging in this respect due to various reasons: Most importantly, the
spatial configuration of rivers assumes the form of a hierarchical dendritic network
(Rodriguez-Iturbe & Rinaldo, 1997), which differs greatly from the “islands-in-
a-matrix” configuration assumable for other metaecosystems. The river network´s
topology also imposes constraints on connectivity as some material exchange or
organism dispersal is bound to the river corridor, the water phase or even the flow
direction (Benda et al., 2004). Unidirectional flow of water imposes asymmetry for
exchange processes—for some more so (e.g., transport of solutes and microbes), for
some less so (e.g., migration of fish or insects with a flying stage). The dynamic
nature of IRES as a spatio-temporal mosaic of flowing, non-flowing, and dry habi-
tats makes them strong candidates to further develop the metaecosystem perspective
of river networks (Datry, Corti, et al., 2017). Indeed, this dynamic habitat mosaic
creates a set of local ecosystems that variably contribute to the transport, accumula-
tion, and processing (including preconditioning) of organic matter within individual
reaches but also across whole river networks (Datry et al., 2014; Larned et al., 2010).
The transport of organic matter is inhibited during non-flowing phases at several
spatial scales, between dynamically appearing lentic and semiaquatic habitats but
also from tributaries to the main stem. Even if isolated from the rest of the network,
remaining aquatic habitats are not metabolically inactive during the dry phase. The
resumption of water flow then reconnects dry and isolated aquatic habitats to the river
network and leaf litter is transported and eventually stored in recipient downstream
aquatic ecosystems, where it can (eventually again) be subjected to aquatic decom-
position. The successful application of the metaecosystem concept to river networks
comprising IRES requires careful consideration of the dynamics of connectivity
across several spatial scales as well as the dynamics within ‘local’ ecosystems.

Ultimately, at the river-network scale, downstream organic matter fluxes are
controlled by how local flow regimes merge to create river network-wide flow
patterns, which in turn, shape the quantity and biodegradability of organic matter
that is locally available in individual reaches of the network. The flow regime of an
IRESmodulates its capacity to transport, retain and process organicmatter (Jacobson
& Jacobson, 2013; Larned et al., 2010; Stanley et al., 1997). For instance, the long
dry phases of ephemeral streams and the return of flow in the form of flash flood
events promote the transport and mobilization of large amounts of organic matter
over its processing,which—whenmeasured as bulkmass loss—isminimal during the
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dry phase (see Box 5.1). Consequently, the spatial distribution of flow intermittence
across the network can exert a great influence on organic matter fluxes at such large
spatial scale. For instance, the concentration of IRES in the upper or the lower part of
the fluvial networks can drastically affect the quantity and quality of organic matter
at the outlet of the network. When IRES are present primarily in the lower part of the
catchment, they receive lower amounts of organicmatter that is already pre-processed
(i.e., aged organic matter of low biodegradability) from upstream perennial systems.
In contrast, when IRES aremainly distributed in the upper part of the network, down-
stream ecosystems can receive great amounts of non-processed particulate organic
matter (i.e., fresh organic matter of high biodegradability). In fact, the quantity and
quality of organic matter leaving the entire system at its most downstream point
relative to input in the form of terrestrial subsidies may serve as an integrative result
of a river network’s organic matter-processing capacity.

As explained above, the aquatic decomposition of leaf litter after flow resumption
is influenced by the environmental conditions during the previous drying period.
Considering the great environmental heterogeneity of the terrestrial-aquatic habitat
mosaic of IRES during the drying, the accumulation and preconditioning of leaf litter
under such diversity of conditions might promote its chemical diversification. This
could have important implications for later decomposition of mixed leaf litter that
emerges by pooling componentswith contrasting chemical composition fromvarious
habitats. Decomposition of suchmixed leaf litter in downstream recipient ecosystems
may be influenced by non-additive effects of leaf litter diversity (see Gessner et al.,
2010; López-Rojo et al., 2018; Stoler et al., 2016). Positive effects may exist in the
form of priming of more recalcitrant, heavily pre-processed leaf material by more
labile, younger or elsewise specifically preconditioned leaves. Fungi are especially
capable of exploiting chemically diversified material (Gessner et al., 2010) if offered
in close proximity as, for example, a leaf pack immobilized on a flow-obstructing
structure or a leaf aggregation in a pool or reservoir. On the other hand, the action
of selective invertebrates may be hindered by less-attractive resources and create a
negative effect of leaf litter diversity.

Besides the movement of leaf litter across the river network, the dynamics of
its potential decomposers also need to be considered in a spatially explicit manner.
Metacommunity theory (Holyoak et al., 2005; Leibold et al., 2004) posits that local
community composition and diversity result from various processes ranging across
spatial scales, including classic deterministic niche definitions as well as neutral
processes related to dispersal (i.e., immigration and extinction dynamics) (Hubbell,
2001; MacArthur & Wilson, 2001). Importantly, in a fluvial network, dispersal
is constrained by the dendritic topology and can be uni-, bi- or multidirectional
dependingon themobility traits of particular taxa (Brown&Swan, 2010;Crabot et al.,
2019; Grant et al., 2007; Rodriguez-Iturbe et al., 2009). This results in distinct spatial
patterns of biodiversity (e.g., Carrara et al., 2012), which notably differ between
insects (Finn et al., 2011) and heterotroph bacteria (Besemer et al., 2013), two main
groups of consumers driving leaf litter decomposition. For fungi specifically, such
river network-wide patterns of biodiversity have not been investigated so far. And
more importantly, even though effects of intermittent flowon freshwater communities
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are well-known at the local scale, virtually nothing is known on how drying alters the
spatio-temporal organisation of biodiversity at the river network scale by dynamically
disrupting hydrological connectivity (Datry et al., 2016). Understanding how biodi-
versity is affected by changes in river network-wide connectivity is vital, however,
as leaf decomposition depends on the occurrence and functional diversity of decom-
posers. While in perennial reaches decomposers may suffer a shortage of resources
when upstream tributaries are disconnected, in intermittent reaches aquatic or terres-
trial decomposers need to first colonize their respective habitat before decomposing
eventually delivered leaf material. Considering chemical diversity of leaf material as
discussed above, the spatial patterns of such resource diversity may not align with
those of biodiversity, potentially creating situations of inefficient leaf decomposition
in local ecosystems caused by a mismatch between resource and consumer traits.
Such mismatch may also just mean non-existent consumer traits for a too diverse
resource pool, which could be considered as (functional) species undersaturation
(Mateo et al., 2017). Conversely, this also suggests potential for positive consumer
biodiversity effects on leaf decomposition by enabling complementary resource use
(Tylianakis et al., 2008).

In conclusion, due to the potential of flow intermittence to alter organic matter
fluxes as well as biodiversity in river networks, the perspective of IRES as metae-
cosystems should be developed in future models as well as empirical research.
Without this, the effect of flow intermittence on regional C fluxes at the network
scale will not be reliably estimated.

Box 5.1: Differences in organic matter dynamics between intermittent
rivers and ephemeral streams
The decomposition and dynamics of organic matter in IRES are strongly
controlled by the flow regime. Particularly, differences in the duration of the
flowing and non-flowing periods determine the main factors driving organic
matter decomposition in the different types of IRES. For instance, in intermit-
tent rivers with a short dry phase (weeks to a couple months) and very long
flowing periods, the decomposition of organic matter (mainly leaf litter) is
mainly carried out by aquatic decomposer communities. On the other hand,
in ephemeral streams where surface water flow only lasts for a few days after
rain events, organic matter (mainly woody debris, especially in arid streams)
accumulates on dry riverbeds for very long periods (months to years). Thus,
in ephemeral streams, organic matter decomposition is principally carried out
by abiotic processes such as photodegradation, and only by short pulses of
microbial activity following rewetting events (Jacobson et al., 1999).

These differences in flow regime and decomposition agents in turn control
the location, the dynamics and the lifespan of the organic matter as a trophic
resource in IRES networks (Jacobson& Jacobson, 2013; Jacobson et al., 1999).
In intermittent rivers, leaf litter may still be actively decomposed under wet
or even flowing conditions, so any eventual and limited mobility of leaf litter
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along the network translates to a short-term resource pulse of carbon/energy
for downstream systems. In contrast, the predominant terrestrial conditions of
ephemeral rivers promote very slow processing rates of accumulated organic
matter due to the limitation of biotic decomposition under conditions of water
limitation. As a consequence, in these streams, organic matter is mainly relo-
cated from upstream to downstream sites by recurrent spates and can represent
a long-term C resource along the network (Fig. 5.5).

Fig. 5.5 On the left, leaf litter accumulated on a dry riverbed of a forested intermittent stream.
On the right, leaf and woody debris accumulated on an ephemeral stream after a flash flood
event. (a) Hagenbach stream in Göstling an der Ybbs, Austria; (b) River Chícamo inMurcia,
Spain. Photo credits: Rubén del Campo and Rosa Gómez

5.4 Roadmap for Research and Applications

Although the number of ecological studies on IRES has grown exponentially during
the last decades (Leigh et al., 2016), there are still many knowledge gaps concerning
organic matter dynamics and decomposition in these ecosystems. So far, most
research in IRES has focused on the effect of the cessation of surface flow on decom-
poser communities and decomposition rates. But beyond changes in surface water
flow, the highly dynamic hydrology of IRES promotes other changes in environ-
mental conditions, which may strongly affect the processing of organic matter, yet
have remained unstudied so far. In particular, three main aspects of the processing
of organic matter in IRES still remain unclear and require further research: (a)
completing the analysis of the decomposition of leaf litter under the whole spectrum
of heterogeneous environmental conditions of IRES; (b) a further understanding of
the legacy effect of non-flowing phases on the processing of organic matter after
flow resumption; and (c) a mechanistic understanding of the effect of flow intermit-
tence on cycling of organic matter at the fluvial network scale, including as driven
by functionally relevant biodiversity patterns.



92 R. del Campo et al.

These three topics are hierarchically connected and need to be further developed
to reach a proper understanding of organic matter processing in fluvial networks
comprising IRES. First, we need to further investigate understudied habitats of
IRES, for instance isolated pools or hyporheic zones (but see Arias-Real et al., 2019;
Burrows et al., 2017). Hyporheic environments, specifically under conditions of
subsurface flow,may act as a refuge for heterotrophic communities and thusmaintain
the decomposition of buried leaf litter (Arias-Real et al., 2019; Burrows et al., 2017;
Gionchetta et al., 2019; Solagaistua et al., 2016). Also, a deeper study of the diversity
of microbial decomposer communities inhabiting terrestrial and aquatic habitats of
IRES is necessary for a complete understanding of organic matter processing in these
ecosystems.

The second gap consists of the unknown effect of non-flowing phases on the
subsequent decomposition of leaf litter after flow resumption. Leaf litter accumu-
lated during non-flowing states can undergo considerable changes in its chemical
composition and biodegradability—for later aquatic decomposition further down-
stream these may best be conceptualized as ‘preconditioning’ forming the basis for
legacy effects at much larger spatial scale (Table 5.2). So far, most of the studies
carried out in this regard have been purely experimental (mostly in laboratories), so
our understanding of how preconditioning affects subsequent decomposition after
rewetting in natural circumstances is still limited. Existing evidence suggests that
contrasting environmental conditions during non-flow periods could lead to a chem-
ical diversification of leaf litter chemistry, which in turn, could cause non-additive
effects on the decomposition of diversified leaf litter packs in downstream systems
after flow resumption (see Gessner et al., 2010; López-Rojo et al., 2018; Stoler et al.,
2016). Future studies should address the potential role of non-flowing phases or
IRES as promoters of chemical diversity by studying and characterizing in situ the
chemical composition of organic matter accumulated across terrestrial and aquatic
habitats during non-flowing phases.

Finally, we still lack studies upscaling ormodelling the effect of flow intermittence
on organicmatter cycling at the larger spatial scale of fluvial networks. To equip these
models with a strong empirical basis, we need to invest into collecting data on (1) leaf
litter dynamics (local mass loss as well as reach scale and regional mass balances)
across whole river networks with IRES, and (2) decomposition rates of leaf litter
across hydrological phases of IRES including the implications of phase transitions.
The combination of such datasets could allow to build models simulating organic
matter fluxes in river networks with different levels of flow intermittence and predict
future changes associated with climate change.

IRES are a prominent element within landscapes globally and will become more
abundant in the near future due to on-going climate and global change. To improve
our understanding of how flow intermittence affects ecosystem processes, such as
leaf litter decomposition, is pivotal to generate a complete knowledge of the role of
fluvial networks on C cycling at large scales. Such knowledge will in turn be used
for a successful adaptation of management strategies to protect and conserve river
networks, their biodiversity, functional integrity and the ecosystem services they
provide.
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Chapter 6
Plant Litter Decomposition in Terrestrial
Ecosystems Compared to Streams

Pablo García-Palacios, I. Tanya Handa, and Stephan Hättenschwiler

Abstract The decomposition of dead organic matter is critical for carbon and
nutrient cycles across ecosystems from the bottom of oceans to mountain tops.
Despite similarities in the driving abiotic and biotic factors, and interconnected
flows of organic matter between streams and their surrounding riparian zones, litter
decomposition has often been studied separately in aquatic and terrestrial ecosys-
tems, with some notable exceptions. This collaborative research across systems has
identified some common patterns, which is necessary to move towards a broader
litter decomposition theory and to develop a global decomposition model. Here we
compare terrestrial litter decomposition with that occurring in aquatic systems, by
providing an overview of the terrestrial literature and highlighting commonalities
and differences with decomposition in streams. Specifically, we look at (i) the influ-
ence of climate, decomposer communities (microbes and invertebrates) and leaf litter
quality (chemical andmorphological), (ii) the consequences of changing diversity (in
decomposer and litter communities), and (iii) the effects of global change (climate
warming, nitrogen deposition and biotic invasions) on litter decomposition. Lastly,
we identify recent approaches developed in terrestrial ecosystems that may help to
increase our understanding of the abiotic and biotic drivers, diversity effects and
global change effects on litter decomposition in aquatic ecosystems.
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6.1 Introduction

The decomposition of plant litter is one of themost important ecosystem processes in
the biosphere, as it is critical for carbon and nutrient cycles across systems, including
oceans, freshwater and terrestrial ecosystems. The litter produced by plants in terres-
trial ecosystems may eventually reach inland surface waters such as streams and
rivers, either by falling directly into the water bodies or by transport from the soil
surface through runoff or wind. As a result, streams and their surrounding riparian
zones are interconnected byflows of organicmatter that represent a substantial contri-
bution to the global carbon cycle (Battin et al., 2009). Common abiotic and biotic
factors such as environmental conditions (climate, nutrient availability), litter quality
(chemical and morphological traits) and local decomposer communities (microbes
and detritivores) drive leaf litter decomposition in aquatic and terrestrial ecosys-
tems. Consequently, current global anthropogenic changes such as biodiversity loss,
warming, nitrogen enrichment and biotic invasions may impact litter decomposition
in a broadly similar fashion. Unfortunately, only a handful of studies have addressed
the decomposition of plant litter along the aquatic-terrestrial litter continuum. This
has prevented the establishment of commonalities across ecosystems, which is
important to formulate a theory on plant litter decomposition that is valid across
systems.

Despite similarities in the driving abiotic and biotic factors, and interconnected
flows of organic matter, litter decomposition has often been studied separately in
aquatic and terrestrial ecosystems with some notable exceptions. For instance, the
pioneering work of Merritt and Lawson (1992), Wagener et al. (1998), and Hutchens
andWallace (2002) encouraged communication between aquatic and terrestrial ecol-
ogists towards a more comprehensive understanding of litter decomposition. The
European consortium “BioCycle”, inspired by the review of Gessner et al. (2010) on
diversity effects across systems, embraced this challenge and set up a collaborative
research project with ecologists working in both aquatic and terrestrial ecosystems.
They investigated litter decomposition in forest floors and nearby streams across five
major biomes, from the tropics to the subarctic (Handa et al., 2014). Furthermore,
follow-ups of this and other projects demonstrated that biotic and abiotic drivers
play similar roles in aquatic and terrestrial decomposition across contrasting spatial
(García-Palacios et al., 2016) and temporal (Yue et al., 2018) scales. All this and other
recent research (Abelho & Descals, 2019) represent novel contributions towards the
development of a global decomposition model, and although much work remains to
be done, this chapter offers a first synthesis.

Here we review three major areas in litter decomposition research in terrestrial
ecosystems. First, we address the main biotic and abiotic drivers of litter decompo-
sition. Then, we assess how diversity in litter and decomposer communities affect
litter decomposition rates. Finally, we review the response of litter decomposition
to three global change drivers (climate warming, nitrogen enrichment and biotic
invasions). Along each section, we provide insights on how previous findings in
terrestrial ecosystems compare results from aquatic ecosystems. Our intention is not
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to review these topics in streams, which are covered in detail in other chapters of
this book, nor to review terrestrial decomposition extensively, but to focus on the
main commonalities and differences. We also identify recent approaches developed
in terrestrial ecosystems that may help to improve our understanding of the abiotic
and biotic drivers, diversity effects and global change effects on litter decomposition
in aquatic ecosystems.

6.2 Main Biotic and Abiotic Drivers of Litter
Decomposition in Terrestrial Ecosystems Compared
to Streams

6.2.1 The Role of Litter Quality and Climatic Conditions

The triangular relationship among environmental parameters, the quality of decom-
posing litter, and decomposer organisms as the major control factors over decompo-
sition is well established for terrestrial ecosystems (Berg & Laskowski, 2005; Swift
et al., 1979; Fig. 6.1). It does not differ fundamentally compared to aquatic envi-
ronments in general and to stream ecosystems in particular (Wagener et al., 1998).
How terrestrial ecologists weighed the relative importance of these three groups of
control factors, however, changed over the years and is still evolving. The classical
view, that persisted over many decades, was that climatic variables control decom-
position at large spatial scales among biomes and that within a specific climatic
zone, litter quality was the most important driving factor (Berg et al., 1993; Meente-
meyer, 1984; Fig. 6.1). This conceptual model was also referred to the Hierarchical
Model of Decomposition (Lavelle et al., 1993). The spatial hierarchy of climate and
litter quality control was then considered implicitly as a stratification of importance
with climate being the primary control, and litter quality, the secondary control.
This view was questioned in a broad synthesis of a large number of decomposi-
tion studies (Cornwell et al., 2008) showing that variability in decomposition due
to differences in litter quality was at least twice as high as that observed across
broad climatic gradients. In other words, the same litter type decomposing in highly
contrasting climatic conditions across continental gradients may vary less in mass
loss compared to contrasting litter types decomposing in the same location under
identical climatic conditions. These observations required revisiting the hierarchical
model of decomposition (Fig. 6.1).

The importance of litter quality effects compared to climate control also depends
on how litter quality varies within and across climatic zones. Surprisingly, these
differences are not that well documented presently, because studies that exhaus-
tively report litter quality for all plant species of a given community along with their
abundances, and thus their relative contribution to the overall litter pool, are rare.
Community ecologists collecting good abundance data, commonly infer litter quality
from live plant traits, which can at best be a proxy for the actual litter quality. Leaf
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Fig. 6.1 The evolution of the conceptual model of litter decomposition over the past fifty years.
The graphical representation is inspired by the original drawing by Swift et al. (1979) who used
the regulation symbol ( ) to superimpose the classical concept of the triangular control of the
transformation of fresh litter input into decomposition products (a). The three colors referring to
the three groups of factors have equal proportions because the Triangular Model did not initially
propose an explicit hierarchy between the physico-chemical environment (edaphic and climatic
factors), resource (litter) quality, and decomposer organisms. Over the following three decades
(1980s through 2000s), studies at regional and continental scales reinforced the perception that
climatic factors (essentially temperature and humidity) dominate litter quality control, and that
decomposer organisms are merely reflecting climate and litter quality regulation without inde-
pendent control, leading to the Hierarchical Model (b). The factor ranking incidentally implied a
spatial stratification from local to continental scales with increasing dominance of climate control
at increasing scales. The Hierarchical Model was revisited following studies that reported stronger
litter quality than climate control (Cornwell et al., 2008 as a key study), which is not shown here.
Instead,we propose theDynamicDecompositionModel (c) emphasizing the dynamic switch among
the three control factors during the decomposition process (e.g., García-Palacios et al., 2016) regard-
less of the spatial scale considered. In other words, all three factors can be dominant at some point
during decomposition at the local as well as at the regional or continental scales. The Dynamic
Model also emphasizes that litter quality changes strongly over time as do the specific traits that
control decomposition. In addition, it appears inadequate to keep decomposer organisms in one
single box. The distinction between at least microbial communities and soil fauna, which interact
with each other, may significantly improve the understanding of decomposition and its controls

litter quality varies substantially from live foliage traits resulting from the important
chemical and structural changes during leaf senescence, for example, when nutri-
ents are resorbed (Aerts & Chapin, 2000) or when secondary metabolites undergo
dynamic changes (Paaso et al., 2017). Another difficulty is that the standard set
of live foliage traits commonly measured, and thus available for numerous plant
species (e.g., carbon and nitrogen concentration, specific leaf area, leaf dry matter
content), are not always relevant for litter decomposition. Less commonly measured
litter quality traits such as condensed tannins, concentrations of Mg, Ca, Mn, or non-
structural carbohydrates often predict decomposition better, depending on the type
of ecosystem and spatial scale considered (Guerrero-Ramírez et al., 2016; Hätten-
schwiler & Jørgensen, 2010; Makkonen et al., 2012). On the other hand, soil ecol-
ogists or biogeochemists collecting good litter quality data typically focus on a few
contrasting litter types without referring to their relative abundance in the local plant
community, or alternatively, on community-level litter fall without distinguishing
individual species. This latter approach allows the evaluation of ecosystem-scale
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processes and provides a good assessment of community-level decomposition. On
the contrary, it permits only a limited understanding of the driving mechanisms,
especially if non-additive effects on decomposition of mixtures of litter from a range
of different plant species occur, which are not predictable from community weighed-
mean litter traits. We will come back to this important issue later when we discuss
the role of biodiversity in litter decomposition.

Overall, litter quality control of decomposition is similar in aquatic compared
to terrestrial ecosystems, especially in lower order forest streams with low
autochthonous primary production and sharing the same litter inputs as neighboring
terrestrial ecosystems. In one of the rare field experiments comparing terrestrial
to aquatic decomposition across a broad latitudinal gradient, García-Palacios et al.
(2016) identified the same set of litter traits explaining littermass loss in forest streams
and adjacent forest floors. There were some biome-specific differences, but overall,
Mg and Ca concentrations were the most important litter traits associated to variation
in litter decomposition across biomes in both types of ecosystems. Another, more
local study in an alpine environment found that the relative role of environmental
factors and litter quality were consistent in aquatic and terrestrial decomposition
even at different decomposition stages (Yue et al., 2018). Collectively, these studies
suggest that decomposition dynamics can be predicted from the same variables, irre-
spective of whether litter decomposes in a stream or on the soil surface. It is important
to note, however, that these comparative studies used spatially coupled pairs of low-
order streams and terrestrial sites sharing the same local environmental conditions.
It is less likely that a similar coherence in the relative importance of control factors
persists at larger spatial integration, with for example, varying local nitrogen depo-
sition, heterogeneous bedrock, and thus, distinct nutrient limitation, or predominant
oxygen control in higher order and more slowly-flowing streams.

Compared to biotic control factors, i.e., litter quality and decomposer organisms,
environmental control during the decomposition process seemsmore straightforward
to quantify. Technically this is certainly true, but practically, temperature, as well as
humidity, which in contrast to most aquatic ecosystems (with the exception of inter-
mittent streams) is an additional important environmental factor regulating decom-
poser activity in terrestrial ecosystems, may not have been characterized sufficiently
well in the past. This is because microclimatic variability was mostly neglected,
assuming that data from the nearest climate station can represent the climatic condi-
tions for a particular study site reasonably well. This may not be the case as some
studies suggest (Bradford et al., 2014, 2016; Joly et al., 2017). Indeed, temperature
and humidity may vary strongly at very small spatial scales of only a few meters or
even at the individual litterbag scale (Bradford et al., 2016), depending on micro-
topography, exposition, plant presence or animal activities, leading to variations
that can be as large as among climate stations at regional scales (Bradford et al.,
2014). The unaccounted variability in microclimate blurred the understanding of the
relative importance of climate control in terrestrial decomposition and the spatial
scale at which it operates. This is probably less problematic for aquatic decomposi-
tion. In these systems, water temperature and oxygen concentration, two important



106 P. García-Palacios et al.

environmental factors controlling decomposer activity during aquatic decomposi-
tion, are standard measurements at the microsite scale because these data are not
readily available from climate stations, and oxygen can vary strongly at small spatial
scales. Therefore, the established relative contribution of environmental control over
decomposition appears more robust in aquatic than terrestrial ecosystems.

6.2.2 The Role of Decomposer Organisms

The approaches to study temperature and litter quality control over decomposition
are comparable in terrestrial and aquatic ecosystems, and share broadly the same
methodological and conceptual development. However, terrestrial and stream ecol-
ogists considered the role of decomposer organisms quite differently in the past
(Wagener et al., 1998). Detritivorous animals and their contribution to decompo-
sition initially received much more attention amongst stream ecologists (Graça,
2001; Wagener et al., 1998) than amongst terrestrial ecologists, who commonly
excluded detritivores by the use of litterbag mesh sizes smaller than the body sizes of
most detritivores, especially soil macrofauna (e.g., earthworms, millipedes, isopods,
etc.). In fact, terrestrial decomposition has been traditionally considered mostly as a
microbial-driven process (Wagener et al., 1998). Microbial decomposers were seen
mostly like an enginewith its performance depending on available fuel (litter quality)
and suitable conditions (temperature and humidity), but not on the characteristics of
the ‘engine’ itself. Indeed microbial diversity and physiology was largely neglected,
because the tools to measure it did not suffice, and because of the long held paradigm
that the same microorganisms are everywhere. This classical view changed consid-
erably over the last 15 years with the development of molecular tools and exten-
sive biogeographical assessments of the occurrence and diversity of soil microbes.
Recent studies showed that soil microbial communities differ substantially in time
(over the course of litter decomposition; Herzog et al., 2019) and space (Baldrian,
2017). Spatial variation of a rather basic microbial parameter, such as biomass, can
be an important determinant of decomposition even at regional scales alongside
with climatic factors (Bradford et al., 2017), further questioning the dominant role
of climate control in the classical Hierarchical Decomposition Model (Fig. 6.1).
Additionally, soil fauna are increasingly considered in litter decomposition studies,
showing that they are major players beyond microbial communities also in terrestrial
decomposition (García-Palacios et al., 2013; Hättenschwiler & Gasser, 2005; Wall
et al., 2008). Numerous studies manipulating the presence, abundance, or diversity
of soil fauna (e.g., Coulis et al., 2015; Handa et al., 2014; Heemsbergen et al., 2004)
clearly showed that they need to be taken into account as a control factor on their
own.

Collectively, the recent findings of how microorganisms and soil fauna contribute
to decomposition call for a revised role of decomposers in the control of terrestrial
litter decomposition and its integration in conceptual models (Fig. 6.1). Accounting
for decomposer organisms in decomposition studies is not an easy task, because of
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the tremendous number of different taxa, organized in highly complex food webs,
which depend on plant-derived litter as the main source of energy and matter. The
complexity of terrestrial decomposer communities in terms of diversity and the
number of trophic and non-trophic links appears to be higher, compared to that
of streams, but perhaps not of other aquatic ecosystems such as marine benthos.
Because of this complexity, but also because the composition and diversity of
decomposer communities can vary substantially among different plant communi-
ties, it is presently difficult to incorporate soil organisms in predictive mechanistic
decomposition models.

6.2.3 Temporal Dynamics of Biotic and Abiotic Drivers
of Litter Decomposition

The relative impact of environmental factors, litter quality, and decomposer commu-
nities may vary over time with proceeding decomposition. For example, García-
Palacios et al. (2016) showed that control by litter microbial and nematode commu-
nities dominated during early decomposition stages, while soil moisture and legacy
effects of initial litter quality increased in importance during later stages of decom-
position. Such temporal shifts in control mechanisms are important to consider for a
better understanding of how environmental conditions, litter quality, and decomposer
communities affect decomposition interactively in a revised triangular relationship
(Fig. 6.1), yet studies addressing such temporal dynamics explicitly are still rare.
Changing control through time appear to be even less studied for stream ecosystems
(but see Yue et al., 2018), perhaps also because litter decomposition proceeds gener-
ally quicker compared to terrestrial ecosystems. The different time scales at which
freshly fallen leaf litter disappears in terrestrial and aquatic ecosystems is one of the
major differences affecting the interplay of different control factors and predictive
modeling of decomposition in terrestrial and aquatic systems. In certain biomes and
for certain litter types itmay takemore than ten years in terrestrial ecosystems (Parton
et al., 2007) compared to only a few weeks in stream ecosystems (Gessner et al.,
2010) until the leaf litter visually disappears. These large differences actually hide the
fact that smaller leaf particles resulting from detritivore activity (“fragmentation” or
“comminution”) are easily washed downstream with flowing water in streams, while
they remain longer in place under terrestrial conditions. This means that part of the
decomposition process is ‘delocalized’ in streams and decomposition in the strict
sense of mineralization of organic matter may in the end not differ as much between
terrestrial and aquatic ecosystems. This is difficult to measure correctly in either
system because dissolved organic compounds and particulate organic matter move
down the soil profile and down the streams.
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6.3 Diversity and Litter Decomposition in Terrestrial
Ecosystems Compared to Streams

6.3.1 Leaf Litter Diversity

The rapid rate of biodiversity loss worldwide has prompted research efforts in recent
decades directed towards understanding if and howbiodiversity influences ecosystem
functioning (Eisenhauer et al., 2019; Hooper et al., 2012). Most often, diversity
metrics (e.g., species richness, functional diversity) are manipulated as the indepen-
dent variable, and ecosystem functions aremeasured to understandwhether thewhole
is greater than the sum of its parts (net diversity effect) and if so, whether mecha-
nisms could be identified driving such effects (Eisenhauer et al., 2019).While primary
productivity is the ecosystem function having received the most attention to date and
for which strong positive net diversity effects have been observed across ecosystems
(Tilman et al., 2014), litter decomposition has been studied too, recognized as an
ecosystem function of key importance for both terrestrial and aquatic ecosystems.
Manipulative biodiversity experiments on litter decomposition have been treated in
meta-analyses (Cardinale et al., 2011; Gartner & Cardon, 2004; Lecerf & Komi-
noski, 2010) and through large-scale collaborative experimental studies (García-
Palacios et al., 2016; Handa et al., 2014). Evidence to date in terrestrial ecosystems
suggests that overall net diversity effects are weak (if present at all), in comparison
to plant productivity responses (Cardinale et al., 2011; Handa et al., 2014), but there
is increasing evidence (Lefcheck et al., 2015; Wagg et al., 2014) suggesting that
positive biodiversity effects increase when considering the ability of ecosystems to
maintain multiple functions simultaneously (i.e., multifunctionality). The number
of studies addressing the biodiversity-ecosystem multifunctionality relationship in
streams is scarce, but novel evidence suggest an important positive linkage similar
to that found in terrestrial ecosystems (López-Rojo et al., 2019).

Net diversity effects, when observed, can represent either selection or complemen-
tarity effects of species mixtures within assembled biodiversity experiments (Loreau
& Hector, 2001). Selection effects are an extension of the mass ratio hypothesis
(Grime, 1998), which suggests that the local dominance of a species with partic-
ular traits present within a community can be determinant to the ecosystem function
under study. Complementarity effects, on the other hand, point to species differences
or species interactions within a community that result in synergistic or antagonistic
effects on the measured ecosystem function (Loreau & Hector, 2001). Such comple-
mentarity effects reflect niche partitioning of species favouring specialized resource
use or interactions such as facilitation or inhibition that translate into diversity effects.
In their collaborative study across a latitudinal gradient, Handa et al. (2014) showed
that complementarity rather than selection mechanisms drove diversity effects in
both terrestrial and aquatic litter mixtures. For instance, litter mixtures combining
a N-rich litter and a non-recalcitrant rapidly decomposing litter led to a positive
net diversity effect in this cross-system study, likely due to translocation of nitrogen
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through fungal hyphae fromN-rich toN-poor litter thus facilitatingmicrobial decom-
position. In a recent aquatic microcosm study with a riparian forest litter mixture,
López-Rojo et al. (2019) also found that complementarity effects were more preva-
lent in explaining observed net diversity effects, but selection effects also played a
role.

Quantifying selection and complementarity effects in litter mixtures requires the
measurement of litter mass loss at the species level, which is time-consuming and
potentially challenging if the stage of litter decay hinders species identification.
The use of community-level metrics and plant traits can partially solve this issue
by establishing indirect associations with selection and complementarity effects.
In this line, selection effects have been associated with the community-weighted
mean of functional traits that drive the decomposition process, while complemen-
tarity effects are typically associated with the functional dissimilarity of these traits
within a community (García-Palacios et al., 2017). With litter quality as one of the
key drivers of decomposition, it is not surprising that idiosyncratic responses are
frequently observed, leading to the conclusion ‘community composition matters’.
However, most litter decomposition studies addressing the role of diversity in both
terrestrial and aquatic ecosystems have been performed without explicitly consid-
ering underlying mechanisms by separating individual species from litter mixtures.
While these studies comparing monocultures vs. increasing levels of litter diversity
are useful for assessing if the whole is (or is not) greater than the sum of its parts,
these assessments have limited our understanding of selection and complementarity
effects in both soils and streams.

6.3.2 Multi-trophic Diversity

Evidently, when considering decomposition dynamics, diversity exists not only at
the level of the plant communities that provide the majority of organic matter input,
but also at the level of the decomposers themselves (microbial and faunal commu-
nities). Decomposers interact in complex networks on the basis of decomposing
litter substrates and connected through multiple trophic and non-trophic interactions
(Wagg et al., 2019). While there is compelling evidence that multi-trophic biodi-
versity in general (Lefcheck et al., 2015), and soil biodiversity in particular (Wagg
et al., 2014), enhances multifunctionality across ecosystems, much remains to be
discovered about how varying decomposer diversity influences litter decomposition
as an ecosystem function.

Contrary to the community assembly approach when studying the effect of the
diversity of plants on litter decomposition, addressing the effects of varying decom-
poser diversity in both terrestrial and aquatic systems has, to date, more frequently
relied on exclusion experiments (Handa et al., 2014). This constraint has been partic-
ularly true for manipulating microbial diversity given the many inactive or dormant
microbes sampled in the environment and a high percentage of unculturablemicrobes
(Baldrian, 2017; Jansson &Hofmockel, 2018). In a recent terrestrial grassland study,
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Wagg et al. (2019) sieved soils through varying mesh sizes to simplify microbial
network complexity and demonstrated that reduced fungal-bacterial diversity slowed
down litter decomposition. An alternate approach to simplify microbial diversity
is through the dilution-to-extinction approach where, for example, Maron et al.
(2018) added soil inoculum from grassland microbial communities to sterile soil
in microcosms and demonstrated that decreasing diversity altered litter C cycling
by favouring the decomposition of non-recalcitrant carbon over recalcitrant carbon.
While the functional redundancy principle likely ensures functional stability below
a particular threshold of species loss (Miki et al., 2014), a tremendous diversity
of microbes contributes to litter decomposition and interact in a cross-kingdom
functional succession of communities (Herzog et al., 2019).

When considering decomposer community complexity that includes meso- (up
to 1-mm body size) and macrofauna (up to 5-mm body size) in addition to microbes,
community exclusion litter microcosm experiments have been useful to demon-
strate that increasing decomposer community complexity accelerates litter carbon
and nitrogen cycling in both forests and freshwater stream ecosystems (Handa et al.,
2014). However, other studies have used community assembly approaches to manip-
ulatemacrodetritivores inmicrocosms to assess litter decomposition. For example, in
a study combining dissimilar soil detrivores such as amillipede and snail, DeOliveira
et al. (2010) demonstrated both synergistic and antagonistic interactions depending
on the stage of litter decomposition of Mediterranean forest litter. Other terrestrial
studies have hinted at niche partitioning mechanisms reflected through functional
dissimilarity (Coulis et al., 2015; Fontana et al., 2019; Heemsbergen et al., 2004) or
strong litter preferences by detritivores thatmay account for diversity effects (Rouifed
et al., 2010; Vos et al., 2011). Similarly, the literature addressing the effects of detriti-
vores on litter decomposition in streams using exclusion procedures is also prominent
(Gessner et al., 2010). More detailed analysis using community-level properties are
less frequent, but Frainer et al. (2014) found that the functional diversity of detriti-
vore communities had contrasting effects on litter decomposition in boreal streams
across seasons and habitats.

In conclusion, the effects of leaf litter diversity on litter decomposition in terres-
trial ecosystems and streams are reasonably well identified, but we still have a
limited understanding of the biological mechanisms accounting for how plant diver-
sity influences organic matter decomposition in both systems. With regard to the
diversity of decomposer communities, emerging molecular tools and trait-based
approaches are helping us move beyond exclusion experiments towards a more
functional understanding of decomposer diversity in soil and stream detrital food
webs.
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6.4 Global Change and Litter Decomposition in Terrestrial
Ecosystems Compared to Streams

The effects of global anthropogenic change on ecosystem processes has been a
hot topic in the biogeochemical and ecological literature over the past 20 years,
and litter decomposition is not an exception. From the multiple drivers of global
change promoting planetary-scale shifts in theEarth system, herewe focus on climate
warming, nitrogen enrichment and biotic invasions. The effects of these three global
change drivers on terrestrial litter decomposition have been synthesized in system-
atic reviews and quantitative meta-analyses, which are necessary to assess general
patterns across different ecosystem types. Furthermore, warming, nitrogen enrich-
ment and biotic invasions also influence the biotic and abiotic drivers of litter decom-
position in streams, allowing us to look for commonalities in aquatic vs. terrestrial
systems.

The interpretation of global change effects on terrestrial litter decomposition is not
straightforward, as these effects are the result of both direct and indirect mechanisms.
Specifically, climate warming and nitrogen enrichment influence litter decomposi-
tion though direct temperature effects on soil biological activity and direct nitrogen
effects on soil chemistry, respectively (Wardle, 2004). However, warming, nitrogen
enrichment and biotic invasions also play an indirect role mediated by shifts in
plant and soil communities (Manning et al., 2006; Castro-Díez et al., 2014). Impor-
tantly, the magnitude of such indirect effects may be larger than that of direct effects
mediated by changes in abiotic factors, strongly modifying the net effects of global
change on litter decomposition. In short, both direct and indirect mechanisms must
be considered.

6.4.1 Climate Warming

The fate of the soil carbon pool is a pressing issue under ongoing climate warming,
as even subtle losses may represent a substantial contribution to the buildup of the
atmospheric CO2 pool, promoting a positive land carbon-climate feedback. Litter
decomposition is a pathway of soil carbon loss to the atmosphere, and accordingly
the number of studies addressing warming effects on litter decomposition increased
in recent years. Different methods were used to experimentally simulate climate
warming in terrestrial ecosystems, with open-top chambers, infrared lamps and soil
heating cables among the most common (Fig. 6.2). Two recent global meta-analyses
showed a slight positive effect of experimental warming on terrestrial litter decom-
position (Lu et al., 2013; Yue et al., 2015). Across 34 different articles, Lu et al.
(2013) reported a 6.8% increase, and from a slightly lower sample of 22 articles,
Yue et al. (2015) reported a 4.4% increase. In streams, a recent quantitative litera-
ture review found a significant positive effect of warming on litter decomposition
(Amani et al., 2019). However, as it is usually the case across different field studies,
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Fig. 6.2 Different methods
to experimentally simulate
climate warming in
terrestrial ecosystems.
a Open-top chambers
passively increasing
temperature using hexagonal
methacrylate sheets in
Bogong High Plains,
Australia (source https://jsc
amacresearch.wordpress.
com/, photo credit Henrik
Wahren). b Soil heating
cables in Hubbard Brook
Long-Term Ecological
Research, USA
(source https://hubbardbr
ook.org, photo credit:
Rebecca Sanders-DeMott).
c Infrared heaters in El
Yunque National Forest,
Puerto Rico (source https://
blogs.agu.org/, photo credit:
Stephanie Roe)

the overall positive warming effects on litter decomposition were strongly influ-
enced by methodological differences among studies. For instance, the magnitude
and direction of warming effects depended on the ecosystem type, study length,
temperature increase, and method used to simulate elevated temperatures. When
only direct effects of elevated temperatures on litter decomposition are considered,

https://jscamacresearch.wordpress.com/
https://hubbardbrook.org
https://blogs.agu.org/
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litter mass loss is typically higher in warming than in control plots, indicating higher
decomposer activity under more favorable microsite conditions.

Addressing the combined direct and indirect warming effects on litter decompo-
sition is far more complicated, and only a handful of studies have explicitly done
so. For instance, Cornelissen et al. (2007) collected litter from 33 experimental
warming studies in cold ecosystems and studied litter decomposition in two thermally
contrasted sites in Sweden. This elegant experimental design allowed the authors to
disentangle direct climate effects from indirect litter quality changes resulting from
warming-induced changes in plant community composition. In fact, the site of litter
incubation explained 50% of variation in litter mass loss, which was 42% higher in
the warmer than colder site. Interestingly, warming promoted a shift in plant commu-
nity composition from grass- and sedge-dominated communities to shrub-dominated
communities. This plant community shift explained 30% of variation in litter mass
loss. Increasing shrub dominance with warming resulted in an average decrease of
litter mass loss of 40%. This result suggests that although climate warming seems
to alleviate the temperature limitation over litter decomposition in cold ecosystems,
the likely shrub expansion with warming in these high-latitude ecosystems may
counteract such direct warming effects. In addition to changes in plant community
composition, climate warming may also change decomposer communities, repre-
senting an additional indirect effect on litter decomposition (David & Handa, 2010).
In fact, Boyero et al. (2011) found a stimulation of microbial decomposition but
inhibition of detritivore-mediated decomposition with temperature in streams across
a latitudinal gradient in six continents.

6.4.2 Nitrogen Enrichment

Soil nitrogen (N) enrichment through atmospheric N deposition is one of the major
global change drivers affecting ecosystem functioning (Galloway et al., 2008). The
effects of N enrichment are easier to simulate experimentally than those of warming,
as simple inorganic N fertilization can efficiently mimic current N deposition rates.
Consequently, a plethora of experimental field studies has addressed the effects of N
enrichment on terrestrial litter decomposition. For instance, Knorr et al. (2005) and
Zhang et al. (2018) synthesized the effects of N enrichment on litter decomposition
using data from 24 and 55 articles, respectively. On average N enrichment had no
significant effect on litter decomposition. Importantly, the relationship between the
effect size of N enrichment and N application rate was negative, with stimulated litter
decomposition at low levels of N application but suppressed litter decomposition at
high levels. The same increasingly negative effects with higher N enrichment from
atmospheric deposition and agricultural run-off has been demonstrated for streams
withmeta-analyses (Ferreira et al., 2015) and large-spatial scale observational studies
(Woodward et al., 2012). High rates of N input to streams may have toxic effects for
invertebrates counteracting the stimulating effect on microbial decomposition.
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Nitrogen enrichment can influence litter decomposition rates via direct changes
in fundamental controls of litter C mineralization and N release/immobilization
patterns such as soil nutrient stoichiometry and pH, which commonly decreases
with N enrichment. However, N enrichment also affects litter decomposition indi-
rectly by altering the diversity and composition of plant and soil communities. The
response of plant communities to N enrichment usually includes decreased species
richness and compositional shifts towards resource acquisitive species (Isbell et al.,
2013), with cascading effects on litter quality. Soil microbial communities can also
mediate N enrichment effects on litter decomposition via reduced soil microbial
biomass (Treseder, 2008) and oxidase enzymatic activities involved in the degra-
dation of recalcitrant C compounds (Jian et al., 2016). Nevertheless, the relative
contribution of such indirect effects on net decomposition rates vary across studies,
with plant compositional shifts counteracting the direct effects of N enrichment on
soil chemistry (Pichon et al., 2019) or playing a minor role compared with direct
effects (Manning et al., 2006).

6.4.3 Biotic Invasions

The effects of biotic invasions on terrestrial litter decomposition rely mostly on indi-
rect impacts via changes in the plant and soil community, as this global change driver
does not commonly directly modify the environmental conditions of the invaded site.
Here we focus on the indirect effects via the plant community, as studies addressing
how non-native soil organisms alter litter decomposition rates are less numerous,
which limits our ability to elaborate general conclusions.

Several reviews and meta-analysis have synthesized the effects of non-native
plant invasions on litter decomposition, with contrasting results. The vote-counting
approach of Ehrenfeld (2003) and quantitative reviews of Liao et al. (2008) and
Castro-Díez et al. (2014) showed higher decomposition of non-native than native
leaf litter. Specifically, Liao et al. (2008) found a 117% increase in non-native litter
decomposition rates, which correlated well with the higher litter N and specific
leaf area in non-native compared to native litter and green leaves. These results
have contributed to the generalization that invasive plants decompose more quickly,
leading to more rapid cycling of nutrients and C release in invaded ecosystems.
However, neither the meta-analysis of Vilà et al. (2011) nor the multi-species study
(78 deciduous forest species) of Jo et al. (2016) found significant differences in litter
decomposition rates between non-native and native species. As pointed out by Zuuk-
swert and Prescott (2016), the general perception that non-native litter decomposes
faster may arise from a bias in current studies focusing primarily on plant species
that are known to have a major influence on ecosystem functioning, such as N fixing
species like Myrica faya (Liao et al., 2008).

Most litter decomposition studies addressing the impacts of biotic invasions in
streams have focused on exotic trees. Recently, Ferreira et al. (2016) synthesized
the available literature addressing the effects of tree plantations and tree invasions in
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natural ecosystems. They found that litter decomposition was 26% lower in streams
flowing through Eucalyptus globulus plantations than in streams flowing through
native forests. However, the effects were not significant when non-native tree species
other than Eucalyptus globulus were included in the comparison.

In contrast with the two previous sections on decomposition drivers and diversity
effects, we are not aware of any study jointly addressing the influence of global
change in terrestrial and aquatic ecosystems.However, aswarming,Nenrichment and
biotic invasions also influence the biotic and abiotic drivers of litter decomposition in
streams, we may be able to infer consistent patterns across ecosystems by comparing
the results found in meta-analyses and large-spatial scale studies. Although climate
warming significantly increases litter decomposition in soils and streams, warming-
induced effects can change substantially after accounting for the indirect changes
via the plant and decomposer communities. The effects of N enrichment on litter
decomposition seem to vary as a function of the amount of N addition in both soil
and stream studies. This pattern may be the result of indirect effects via changes
in plant and decomposer communities, although the number of studies is still quite
limited for robust conclusions. With regard to biotic invasions, the effects of exotic
plants on soil and stream litter decomposition seem to be species-specific.

6.5 Suggested Approaches for Future Studies

6.5.1 Future Studies Looking at Biotic and Abiotic Drivers

It appears that the role of climate was overestimated in the past, because climatic
variables were not measured at a fine enough spatial resolution, and variables
related to decomposer communities were largely ignored, especially in terrestrial
studies (Bradford et al., 2016). Future studies would need to measure environmental
factors (climate variables, but also soil or water characteristics) at appropriate spatial
and temporal scales and should include a sufficiently large array of relevant litter
quality traits and a reasonably detailed characterization of decomposer communi-
ties for a better understanding of how the different factors interact in controlling
decomposition.

The understanding of the fate of decomposition products is another area of
research that has received insufficient attention to date. The vast majority of decom-
position studies have used and still use the litterbag approach or variants of it and
assess decomposition as litter mass loss from these bags.Much of this lost litter mate-
rial may actually not decompose (in the sense of mineralization) during the study,
but transported out of the bags in the form of particulate or dissolved organic matter.
Ignoring the fate of this organic matter is likely leading to erroneous assumptions in
how carbon and nutrients are cycled through the ecosystem. It will be important to
address the fate of “lost litter mass” more explicitly in future studies. This may be
even more critical for stream ecosystems where flowing water may transport a large
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amount of particulate and dissolved litter material over relatively large distances. It is
methodologically challenging even with the powerful approach of using isotopically
labelled litter material to follow the decomposition products, in particular in stream
ecosystems where they may not easily be recovered.

We believe that from the three groups of control factors, decomposer organisms
require stronger attention in future work determining how the different drivers inter-
actively affect decomposition, in particular in terrestrial ecosystems. It is now clear
that decomposers do not simply “translate” the effects of litter quality and environ-
mental conditions, but are an important driver on their own (Bradford et al., 2017;
García-Palacios et al., 2016). Interactions between microbial communities and detri-
tivores are particularly poorly understood. The recent finding that the transformation
of fresh leaf litter material into fecal pellets by an abundant millipede species can
change carbon and nitrogen release during further microbial decomposition as well
as the relevant traits predicting decomposition (Joly et al., 2018) suggests that such
interactions can have strong impacts on decomposition. However, data are extremely
limiting, especially under field conditions.

The largemajority of decomposition studies focused on leaf litter, neglecting other
plant tissues such as wood and roots that quantitatively contribute at least as much to
the overall litter produced by plants. Root decomposition studies are strikingly few
in the literature compared to leaf litter studies, although there are recent advances in
terrestrial ecosystems (Guerrero-Ramírez et al., 2016; Herzog et al., 2019; Jo et al.,
2016; Sun et al., 2018). There are some obvious reasons for this because roots are
more difficult to access and to collect, roots from different plant species are often
difficult to distinguish, and roots do not seem to readily fall into streams. A recent
study following leaf litter and first-order roots (these are the fewmillimeter long root
tips, which turnover two to three times per year) from several woody species over
six years reported substantially slower decomposition of first-order roots that was
controlled by completely different traits compared to leaf litter (Sun et al., 2018).
Thus, at the scale of the ecosystem, we may currently understand only part of the
decomposition process reasonably well, calling for more root studies in the future.
Even in aquatic systems, especially in low-order stream, root decomposition may
be considerable as roots from riparian vegetation can grow into the water body, but
appear to have received very little attention.

6.5.2 Future Studies Looking at Diversity Effects

One major challenge to improve our understanding of how both resource and
consumer diversity influences litter decomposition dynamics will be to integrate
our multi-trophic understanding of food web interactions into models so as to better
predict process rates across ecosystems.While some synthesis efforts have suggested
that top down effects of consumer diversity are stronger than bottom up effects of
resource detrital diversity (Srivastava et al., 2009), others have pointed towards strong
bottom up drivers, particularly nutrient limitation and stiochiometric constraints in
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freshwater food webs (Frainer et al., 2016). Given the challenges of resolving food
webs and the desire to develop tools that allow us to extrapolate network structure
towards predicting litter decomposition, one potential approach is trait matching
of consumer feeding traits to resource palatability traits (Brousseau et al., 2018).
Recent work assessing trait covariation of detrivores and their resources has pointed
to over one third spatial covariation of consumer and resource traits for collembolans
and leaf litter (Raymond-Léonard et al., 2019), as well as for litter-dwelling detri-
tivorous and predatory macroarthropods with their respective resources (Brousseau
et al., 2019). These results suggest certain predictive bottom-up structuring forces.
Linking trait-matching models that can successfully predict litter-feeding interac-
tions (Brousseau et al., 2018) with estimates of process rates like decomposition
represents a promising future research direction. Additionally, refining our under-
standing of microbial networks and the function of microbes will be a high priority
with metagenomic tools that indicate the functional potential of communities all
the way to metaphenomics, which combine this information with that of available
resources (Jansson&Hofmockel, 2018). Soil viruses have been largely understudied
but as demonstrated through microbial loops in aquatic systems can dramatically
change ecosystem process rates (Kuzyakov & Mason-Jones, 2018). Future studies
will clearly benefit from embracing all this complexity and seeking predictive tools
that integrate our understanding of these multi-trophic perspectives to predict litter
decomposition in the context of a changing planet.

6.5.3 Future Studies Looking at Global Change Effects

In the global change section of this chapter, we highlighted the importance of disen-
tangling the direct effects of climate warming and nitrogen enrichment on litter
decomposition from the indirect effects via changes in plant community composi-
tion. Here we propose two methods inspired in previous litter decomposition studies
performed in terrestrial ecosystems, one experimental and one analytical, which
may also help to tease apart these two important mechanisms in litter decomposition
studies performed in streams.

The firstmethod is amechanistic factorial experiment that has been used to test the
effects of warming (Allison et al., 2013; Cornelissen et al., 2007) and nitrogen enrich-
ment (Manning et al., 2006; Pichon et al., 2019) on terrestrial litter decomposition
(Fig. 6.3). The experimental design consists in the following factors: ‘plot environ-
ment’ (direct global change effect) and ‘litter origin’ (indirect effect via changes in
plant community). First, a global change field experiment with two levels (warming
or nitrogen enrichment vs. control) is conducted for a period long enough to allow
for plant community compositional shifts (i.e., 3–5 years in grasslands). This design
is replicated in a few experimental blocks. Then, naturally-senesced leaf litter is
collected from the global change and control plots, and used to establish a litter
reciprocal transplant. A similar approach may be followed in aquatic ecosystems,
using either experimental treatments in a single stream or multiple streams along
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Warming plot Warming plot
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Warming litter

Control litter

Fig. 6.3 Experimental design to disentangle the direct effects of global change (climate warming)
on litter decomposition from those indirectlymediated by changes in plant community composition.
First, leaf litter is harvest from warming and control plots. Then, a reciprocal transplant litterbag
study is conducted to test the effects of ‘plot environment’ (warming vs. control plot) and ‘litter
origin’ (warming vs. control litter). Several litterbags may be included in each block if sequential
sampling is required (in this example we envisioned three harvests)

contrasting environmental conditions. Additionally, Allison et al. (2013) consid-
ered a third treatment (‘microbe origin’) assessing indirect effect via changes in the
decomposer community. To do that, the authors gamma-sterilized all litterbags and
litter material, and reinoculated them with a microbial inoculum extracted from the
global change and control litter treatments. However, the validity of this approach is
more uncertain due to litter microbial colonization during incubation in the field.

The second method is an analytical procedure to disentangle the direct and indi-
rect effects of global change drivers in large-spatial scale observations. This approach
assumes that the environmental gradient selectedmainly encapsulates the variation in
the variable of interest (i.e., temperature and nitrogen enrichment). Ideally, such envi-
ronmental information should be recorded at each site in sufficient detail, knowing
that environmental factors should be evaluated at an appropriate spatial resolution
(Bradford et al., 2014). Then, naturally-senesced leaf litter of the dominant plant
species is collected at each site, and used to fill site-specific litterbags containing
litter species in the same proportions found in the native litter layer. Leaf litter traits
such as nutrient concentration, morphology or stoichiometrymay be used to quantify
variation in plant community composition across sites. At each site, soil samples are
also collected to measure physicochemical parameters as well as the abundance and
diversity of microbial and animal decomposers. Finally, all the abiotic and biotic
drivers of litter decomposition are linked in a conceptual path diagram similar to that
shown in Fig. 6.4a. This conceptual model is then analyzed using path analyses and
tested against field data. García-Palacios et al. (2017) followed a similar approach
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Fig. 6.4 A priori conceptual
path diagram (a) depicting
pathways by which
environmental conditions
(Env1 and Env2 are the two
first axes of a PCA with
climatic variables and soil
physicochemistry), soil
microbial biomass (MB) and
soil microbial functional
diversity (FunDiv; assessed
with community-level
physiological profiles)
influence litter
decomposition (% of litter C
loss). Standardized direct,
indirect and total effects
(b) derived from the
structural equation model.
Redrawn from Journal of
Ecology (García-Palacios
et al., 2017)
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when addressing the direct and indirect (mediated by the soil microbial community)
effects of climate and soil parameters on litter decomposition across 10 sites located
along a regional climatic gradient in southern France. Litterbags were harvested after
a year of field incubation, and the total, direct and indirect effects of environment
(climate and soil conditions) on litter carbon loss were calculated. The total effects
of Env1 (accounting for MAP and MAT differences among sites) were small, as
the indirect effects via changes in the soil microbial community partially offset the
direct effects (Fig. 6.4b). This result supports the pattern found in Cornelissen et al.
(2007) when assessing warming-induced effects on litter decomposition via shrub
expansion in cold ecosystems. Studies at large spatial scales conducted in streams
(e.g., Boyero et al., 2011) are also well-suited to perform a similar analysis.



120 P. García-Palacios et al.

6.6 Summary

In general, litter decomposition is faster in aquatic (stream) than in terrestrial ecosys-
tems, as a consequence of the higher loss ofwater-soluble compounds due to leaching
and flushing effects (Berg&McClaugherty, 2014), as well as due to abrasion by sedi-
ment transport and continuous organic matter and nutrient supplies from upstream
sources (Graça et al., 2015). Despite these importance differences, it seems that
the abiotic and biotic drivers, the diversity effects of plant litter and decomposer
communities, and the impacts of climate warming and nitrogen enrichment on litter
decomposition are surprisingly similar across terrestrial and aquatic ecosystems.
However, a number of important knowledge gaps still limit the development of a
cross-system decomposition model. For instance, the spatiotemporal variation at
which decomposition drivers operate, the biological mechanisms behind diversity
effects, and the indirect effects of climate warming and nitrogen enrichment on
litter decomposition via shifts in plant and decomposer communities. Addressing
these gaps in future studies that explicitly address litter decomposition across the
terrestrial-aquatic continuum (e.g., in forest ecosystems) will contribute to generate
a reliable predictive framework of litter decomposition at biome and global scale.
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Chapter 7
Biodiversity and Plant Litter
Decomposition in Streams

Christopher M. Swan

Abstract The main factors influencing litter decomposition in streams are substrate
quality, metazoan feeding, microbial activity and environmental context. However,
the biodiversity of both resources (litter) and consumers (mostly detritivorous inver-
tebrates) can also influence decomposition, with consequences for stream ecosystem
functioning. With regard to leaf litter diversity, in general, decomposition rates
increase with litter species richness, but this relationship shifts in response to the
environmental context, e.g., nutrient availability in the water column, water flow,
and differential shredder feeding rates. Increasing shredder diversity tends to result
in faster decomposition rates, due to facilitative and complementarity effects related
to intra- vs. interspecific interactions. Multitrophic diversity is studied the least, and
justifiably so given the complexities of proper experimental needs. However, avail-
able evidence suggests that loss of taxa at multiple trophic levels results in altered
rates decomposition compared to those expected from intact food webs.

7.1 Introduction

With up to 90% of global terrestrial plant production entering the dead organic
matter pool, decomposition of organic carbon (C) in stream sediments stands out as
central for ecosystem function in these ecosystems (Cebrian, 1999). This important
ecosystem process is the means by which forested stream food webs are supported
(Wallace et al., 1997). Streams can receive substantial inputs of terrestrially-derived
leaf litter (hereafter litter), which can support a significant portion of total system
secondary production (Wallace et al., 1997). For example, a litter exclusion study
carried out in the eastern U.S. over many years not only led to the loss of invertebrate
consumers, but also to the loss of higher trophic levels (Wallace et al., 1997). In a
tropical stream,Rosemond et al. (2001) showed thatmultiple trophic levels interacted
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with nutrient loading to drive rates of litter decomposition. Decomposition of litter in
rivers is the sum of a variety of biotic and abiotic factors (Webster & Benfield, 1986).
Decomposition describes the rate at which energy from litter inputs from adjacent
forests is liberated to higher trophic levels. This results in large and elaborate food
webs.

7.2 What Limits Rates of Decomposition?

Breakdown of leaf litter from large to small particles and mineralization to carbon
dioxide (CO2) is driven by a number of factors. This complex process involves
regional climate (which determines flow and temperature), foliar chemistry and
consumers, both microbial and metazoan (Webster & Benfield, 1986). Decompo-
sition rate varies with temperature, with higher rates associated with higher temper-
atures (Webster & Benfield, 1986). Areas depleted of oxygen can result in a slower
decomposition rate (Webster & Benfield, 1986). This is more common in bogs and
swamps where decomposition can cease overall (Webster & Benfield, 1986). Precip-
itation influences near-bed flow conditions where abrasion by mobile sediments can
accelerate decay rates (Paul & Meyer, 2001; Swan et al., 2008; Webster & Benfield,
1986). Litter of different species is differentially susceptible to these physical factors.

The foliar chemistry of organic material is important to the breakdown process.
Structural chemistries, such as lignin, hemicellulose, and cellulose, generally slow
breakdown rates (Ostrofsky, 1993, 1997; Webster & Benfield, 1986). Secondary
compounds, such as tannins, and structural compounds produced by plants to deter
herbivory, remain in the leaf litter after senescence (Ostrofsky, 1993). However,
alkaloids generally do not persist in litter after it has entered the stream due to their
increased solubility compared to tannins, lignins, cellulose, etc. (Webster&Benfield,
1986). In contrast, tannins and phenolics remain an active deterrence to digestion of
litter material by both macro- and microconsumers (Cummins & Klug, 1979). Leaf
nutrient content, particularly nitrogen (N) and phosphorus (P) levels, increase break-
downs rates of litter (Driebe & Whitham, 2000; Lummer et al., 2012; Webster &
Benfield, 1986). Ratios of C:nitrogen (N) and lignin:N are good predictors of break-
down rates (Melillo et al., 1982). Interspecific variation in structural, secondary and
nutrient chemistries is of importance for how biodiversity influences the breakdown
process (Lecerf et al., 2011).

The dominant detritivores in streams are bacteria, fungi, and invertebrates often
referred to as “shredders” (Webster & Benfield, 1986). Shredders lack the enzymatic
capability to digest lignin, so initial litter decomposers of organic matter in streams
are the bacteria and fungi (Webster & Benfield, 1986). Their exoenzyme activity
results in softening of the litter, making microbes themselves and the softened litter
palatable to shredders (Webster & Benfield, 1986). Microbial immobilization of
dissolved nutrients by these microbes can increase breakdown via enhanced growth
and therefore their degradative ability, rendering the microbial-litter matrix more
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attractive to shredders (Rosemond et al., 2010). In oligotrophic streams, the contri-
butions by invertebrates to decomposition is estimated as high as 40%,withmicrobial
mineralization at 10% (Hieber & Gessner 2002). However, such estimates vary with
feeding efficiency of the invertebrates, temperature and other abiotic conditions that
can constrain the presence, abundance, and performance of detritivorous consumers
(Webster & Benfield 1986).

7.3 Litter Diversity Effects on Decomposition

Litter decomposition and subsequent nutrient cycling is used as a measure of
ecosystem functioning. Slow processing of the detritus and nutrient retention stabi-
lizes energy transferred to higher trophic levels (Wallace et al., 1997). Decomposition
is a suitable metric for evaluating ecosystem function, and litter diversity is known
to be important to food web structure, as well as patterns of energy and nutrient
dynamics (Jabiol et al., 2013), in addition to the influence it has on decomposi-
tion in streams (Gessner et al., 2010; Lecerf et al., 2007; Swan & Palmer 2004).
Although litter diversity effects on decomposition reveal a variety of outcomes (i.e.,
either no effect, inhibitory or stimulatory), mixing leaf species that are functionally
distinct leads to mass loss to occur at rates that are different from what is expected
of individual species in isolation (Swan et al., 2009) (Fig. 7.1).

A large number of studies have tested whether rates of decomposition decrease
when species are lost from litter (Gessner et al., 2010). The focus of these studies
varies by changing the diversity of litter. Intraspecific variation in litter chemical
composition is known to drive diversity effects on decomposition (Lecerf & Chauvet
2008). However, interspecific differences among plant species are typically greater,
with some species being rich in nutrients, whereas others are nutrient-poor and/or
contain high concentrations of lignin that resists degradation. Furthermore, secondary
compounds can be detrimental to both microbial and detritivorous consumers by
inhibiting digestion. Changes in the species composition and diversity of litter
supplied to streams therefore entail profound changes in the patterns and rates of
litter utilization and decomposition by both micro- and macroconsumers (Gessner
et al., 2010). At the consumer level,microbes and shredders derive different resources
fromdifferent types of litter via complementary resource use, when chemically diver-
gent litter species are available (Swan & Palmer 2006c). In that way, optimizing
nutrient acquisition from littermixtures potentially alters overall decomposition rates
compared to individual constituent litter species (Swan & Palmer, 2006b).

In several cases, an increase in litter richness has been linked to both increases
and decreases in decomposition rate, which has been explained through a selection
effect (Swan et al., 2009). For example, in the presence of a refractory species, such
as an oak or sycamore, mixtures as a whole decomposed slower than expected. In
other cases, however, oak species that typically decompose slowly revealed faster
rates of litter decomposition when mixed with more labile species. When shedders
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Fig. 7.1 Assuming exponential decay of leaf litter, and two species of leaves (dark lines), the
expected decay of the mixture is represented by the dashed line. If the mixture decays faster than
expected, or litter species decay synergistically, decay is represented by the lower gray line. In
contrast, if the litter species decay slower than expected, or antagonistically, the result is the upper
gray line

are present, their preferences can keep mixtures decomposing slower than expected
(Swan, 2011). This is due to consumer avoidance of the refractory species (Swan
& Palmer 2006a). This leads to an overall slowing of decomposition when species
richness is high (Swan & Palmer, 2006a).

Another mechanism by which high species richness of litter can result in slower
decomposition is simply due to the relative toughness of refractory leaves compared
to labile leaves. For example, in an urban stream with high flow, the tougher species
ended up protecting or armoring the more labile species (Swan et al., 2008). This
is despite the fact that consumers still preferred the labile species in the mixture. In
this case, flow and abrasion were more important in regulating decomposition of the
mixture than were consumers (Paul & Meyer, 2001; Swan et al., 2008).

We only know of one study that considered evenness of litter mixtures on decom-
position. The majority of litter mixing studies hold the mass of each species in the
mixture constant. This is unrealistic since leaf litter species occur in different propor-
tions in the stream and shifts seasonally (Swan & Palmer, 2004). Swan et al. (2009)
tracked the relative inputs of litter to a small, headwater stream in Maryland, USA,
and created experimental litter mixtures that reflected the proportional biomass of
input to the stream. They compared these uneven mixtures to even mixtures together
in a standard litter decomposition study. They found strong species identity effects,
but effects of species richnesswere significantly higher only inmixtureswith uneven,
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realistic combinations of litter species. This suggests that dominant species play a
large role in driving litter diversity effects on decomposition rates.

7.4 Consumer Effects on Mixed Litter Decomposition

Shredders can influence both the rate of decomposition as well as the stability (e.g.,
the opposite of variability in mass loss) in mass loss (Swan, 2011). This happens in a
number of ways. As stated, litter mixing translates into resource heterogeneity, which
can present consumers with complementary resources, which is hypothesized to
increase their feeding rate. This can be extended to resource attraction. Labile species
in a mixture might attract a higher number of shredders, increasing decomposition of
the entire mixture, including even the refractory species. Conversely, a more refrac-
tory species might deter shredder colonization, thereby reducing overall decompo-
sition rate. In that way, species number and composition of the leaf litter can drive
feeding and colonization dynamics (Ball et al., 2009). One different phenomenon
can occur when mixed litter offers shredders choices that may either increase or
decrease litter consumption at the mixture scale. Swan and Palmer (2006a) showed
that a leaf shredding isopod, Caecidotea communis, avoidance of refractory litter in
the presence of more labile species can actually reduce decomposition at the mixture
scale. The degree of resource choice likely varies among shredder taxa, potentially
keeping this effect from being pervasive (Gessner et al., 2010).

Given substantial variation in resource quality among senesced litter species,
decomposition rates are known to change with litter species loss, as both microbial
and invertebrate consumers respond to loss of litter diversity. However, the implica-
tions for such species loss on the stability of decomposition have been less studied.
In a field experiment, Swan (2011) manipulated litter diversity as single- and mixed-
species treatments in a full-factorial design with the presence/absence of the leaf-
shredding consumer, the caddisfly Pycnopsyche gentilis. It was hypothesized that in
the absence of the consumer, loss of litter species would result in higher variability
(i.e., lower stability) in decomposition rates, owing to the portfolio effect commonly
observed in plant communities. However, compensatory feeding by the consumer
should offset the effect of leaf litter species loss. In addition, there was higher vari-
ation in litter processing among single-species litter treatments compared to among
diverse mixtures. When P. gentilis had access, variation among single-species litter
treatments was significantly reduced (i.e., stability increased), and was statistically
indistinguishable from high diversity litter treatments. In small streams, how loss of
streamside forest species influences stability of instream organic matter processing
can be independent of important detritivorous consumers.
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7.5 Nutrient Transfer, Immobilization
and Litter Species Mixtures

Bacteria and fungi move nutrient from high- to low-quality litter species in mixtures,
thus alleviating nutrient limitation for consumers colonizing nutrient-poor litters
(Rosemond et al., 2001, 2010). However, fast and diffuse breakdown of litter may
export nutrients downstream rather than immediately to adjacent litter within leaf
packs (Gessner et al., 2010). Nutrient transfer between litter species of different
nutrient contents may therefore be dependent on environmental factors, such as
flow, as well as microbial processing rates. The result is higher nutrient content of
the litter-microbial matrix on slow-decomposing species, and subsequently higher
decomposition rate compared with the single species alone.

Bacteria and fungi colonize litter creating a litter-microbial matrix (Webster &
Benfield, 1986). These organisms can derive their resources from the litter substrate
or the water column (Rosemond et al., 2010; Webster & Benfield, 1986). As many
of the mechanisms by which there are emergent effects of litter mixing rely on the
degree of interspecific variation in litter quality, environmental context certainly plays
a role. For example, under eutrophic conditions where nutrients are high in the water
column, thesemicrobes can immobilize nutrients creating a situationwhere the litter-
microbial matrix is of higher resource quality to macroconsumers than would be if
nutrients were low (Rosemond et al., 2010). In one of the few studies to explore this,
Rosemond et al. (2010) exposed mixtures of Liriodendron tulipifera, Acer rubrum
and Rhododendron maximum in all possible single, double, and triple combinations
to a stream experimentally enriched in N and P, and compared any emergent effect of
litter mixing to mixtures exposed to ambient, low nutrient conditions in an adjacent
stream. As predicted, while they found a non-additive (antagonistic) effect of litter
mixing on decomposition rates under reference conditions, thiswas not the casewhen
nutrient levels were elevated. Differential responses among single-species litters to
nutrient enrichment contributed to this result. Nutrient enrichment lowered the C:N
ratio and had the greatest effect on the lowest-quality litter species (R. maximum)
and the least effect on the highest-quality litter species (L. tulipifera), resulting in
lower interspecific variation in the C:N ratio. Detritivore abundance was correlated
with litter C:N ratio in the reference stream, potentially contributing to variation in
decomposition rates. In the nutrient-enriched stream, on the other hand, detritivore
abundance was higher for all litter species and was unrelated to C:N ratio. Thus, non-
additive effects of litter mixing were suppressed by elevated stream water nutrients,
which increased nutrient content of litter, reduced variation in C:N ratio among litter
species, and increased detritivore abundance.

The importance of inhibitory compounds varies among species (Ostrofsky, 1993,
1997; Webster & Benfield, 1986), and the distribution of these compounds in
mixed litter assemblages may explain how leaf litter diversity drives changes in
breakdown rates. Intraspecific differences in condensed tannins (e.g., carbon based
secondary compounds) can influence litter decomposition in aquatic ecosystems
(LeRoy et al., 2007), whereas N-based secondary compounds (e.g., alkaloids) are
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lost from litter during instream decomposition and therefore less influential (Ardón
& Pringle 2008). However, persistence, and even increases in relative concentrations
of secondary compounds (condensed tannins, lignin) may not explain the patterns of
decomposition observed among single- and mixed-species litter (Ball et al., 2009).

7.6 Structural Heterogeneity in Litter Mixtures

Besides contributing to variability in terms of chemical composition, physical
complexity within litter mixtures translates into diverse microhabitats compared to
monocultures (Hector et al., 2000). The importance of invertebrates to increasing
litter breakdown is well documented (Hieber & Gessner, 2002; Wallace & Webster
1996) and, furthermore, how litter diversity effects breakdown rates can be facilitated
by invertebrate activity (Swan & Palmer, 2006c). In addition, it has been shown that
trophic interactions beyond that of consumer-resource are important to the decom-
position process (Jabiol et al., 2013). Top-down responses to bottom-up leaf litter
diversity, such as interactions between invertebrates and the microbial community,
might be a mechanism that explains the litter-diversity effect on breakdown rate. In
addition, structural heterogeneity in leaf litter assemblages confer higher leaf surface
area,which could elicit higher abundances of decomposer populations that could then
translate into faster litter processing rates (Hansen & Coleman 1998).

7.7 Litter Mixing Effects on Shredders

But what are the effects of litter diversity on consumer communities? Kominoski
et al. (2009) examined effects of litter quality and species mixing on microbial
community diversity and associated litter processing in a forested headwater stream.
Single- and mixed-species litter from dominant tree species (Liriodendron tulip-
ifera, Acer rubrum, Quercus prinus, Rhododendron maximum) were incubated for
50 days in a southern Appalachian headwater stream. Although mass loss of indi-
vidual species was generally unaffected by mixing, microbial respiration was greater
on A. rubrum and Q. prinus litter incubated with R. maximum compared to either
species alone. High resource heterogeneity, which here was manipulated experimen-
tally to achieve littermixing of low- and higher-quality litter species, resulted in shifts
in microbial community diversity on individual litter species. The results suggested
that changes in tree species composition in riparian forests, and subsequent changes
in litter resource heterogeneity, could alter streammicrobial community diversity and
function. Fernandes et al. (2015) in a microcosm experiment with leaves of alder,
oak and eucalyptus that had been previously colonized by microbes in a mixed forest
stream looked to test how loss of litter diversity and time affected leaf consumption
by invertebrate shredders, the elemental composition of shredder tissues, and the
quality of fine particulate organic matter (FPOM) egested by the shredders. They
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found that the number and identity of litter species affected consumption and FPOM
production by shredders, which both increased with higher litter species diversity.
C and N composition of invertebrate tissues changed with the litter identity. FPOM
quality, taken as C:N ratio, was positively related to litter quality. Litter consumption
by the animals decreased linearly with the increase in C:N ratio differences between
litter and invertebrate tissues. Hence, their results revealed that changes in litter diver-
sity affect the activity of shredders, via leaf consumption and production of FPOM,
and the quality of food resources, via elemental composition of the shredders. There
is therefore the potential for significant effects of litter mixing on consumers, both
microbial and invertebrate, in stream ecosystems.

7.8 Decomposer Diversity Effects on Decomposition

7.8.1 Shredder Diversity

The diversity of shredders can have significant effects on litter decomposition. Many
studies have shown that diversity of these organisms can lead to shifts in decompo-
sition rate beyond what would be expected than when exploring decomposition by a
single species detritivore (Gessner et al., 2010; Jonsson & Malmqvist, 2000). Such
non-additive effects can occur when there is strong competition, facilitation, or niche
complementarity (Gessner et al., 2010). The mode of feeding, size, feeding rate, and
phenology are all among the suite of traits hypothesized to influence the nature of
emergent biodiversity effects of shredders on litter decomposition (Gessner et al.,
2010).

Most studies looking at how species richness of detritivores is related to litter
decomposition were carried out in the laboratory. Jonsson et al. (2002) looked at
a suite of shredder species in the same guild (Plecoptera). They found significant
differences in feeding rate between species when alone, and significant increase in
loss rate as richness increased. The authors proposed that facilitation and release from
intra-specific interference were the twomost likely mechanisms at work. In a follow-
up study, they tested this “interference hypothesis” by manipulating both species
richness and density of three Plecopteran taxa (Jonsson & Malmqvist, 2000). They
showed that one species showed no effect, one a positive, marginally insignificant,
effect, and a third species showed a significant, positive effect of decreasing density.
Thus, their interference hypothesis partly explained the results from their previous
study. In the same study, the researchers tested their “facilitation” hypothesis by
sequentially introducing and removing two species. If this hypothesis were true,
facilitation would be expressed in higher process rates than when replacing with
individuals of the same species. They found that decomposition rate did increase
when one species was introduced after the other species, while the opposite sequence
did not show any increase, confirming of their previous results. They concluded that
both intra-specific interference and inter-specific facilitationmay explain the positive
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effect of species richness observed in their system, and that species loss may be
expected to have negative consequences on ecosystem functioning if any species is
lost.

In tropical streams, Boyero et al. (2007) uncovered interesting patterns of interspe-
cific interactions. They manipulated richness, evenness and identity of four shredder
species—three caddisflies and one mayfly—in microcosms and followed rates of
litter decomposition. Species richness, evenness and species identity all affected leaf
decomposition rates. Decomposition tended to increase with higher richness, but
only for the three caddisflies, likely through a release of intraspecific interference.
Species identity was more important than richness, suggesting that some species in
this shredder guild are not redundant. Consequently, losing a particular species could
have important consequences for litter decomposition, compared to losing species
richness per se.

One interesting example showing how increasing diversity can lead to a decrease
in decomposition rate was shown byCreed et al. (2009). They show that if much litter
decomposition is performed by one species (i.e., a functionally dominant species)
and this species is also a competitive dominant that excludes other taxa from a habitat,
then it is possible to obtain a negative relationship between richness and litter decom-
position.Results of their study of litter decomposition in a small stream suggested that
the caddisfly Pycnopsyche gentilis, a common Trichopteran in the Piedmont region
of the US, detritivorous insect in North American headwater streams, was both a
functional and competitive dominant. A second experiment compared the effect of
P. gentilis on litter decomposition to that of other detritivore taxa by enclosing them
with leaf litter packs in a section of headwater stream in which they were uncommon,
or a transplant study. Final leaf pack mass was significantly lower in the P. gentilis
enclosure treatment. Litter exposed to a greater diversity of detritivores displayed
little reduction in mass. Taken together, the results of these studies demonstrated
that P. gentilis was a functionally dominant detritivore. A third experiment manipu-
lated the density of P. gentilis and showed that this taxon was also a competitively
dominant species. Leaf packs and large P. gentilis were placed in enclosures that
were permeable to the majority of other detritivores but not P. gentilis. Litter mass
lost increased with increasing P. gentilis density. However, leaf packs exposed to P.
gentilis contained fewer detritivore taxa, which suggested that P. gentilis was also a
competitive dominant. There was a negative relationship between three measures of
diversity and litter decomposition in the P. gentilis density experiment. Thus, exper-
iments conducted in natural communities that incorporate important species interac-
tions, such as competition, may produce diversity-decomposition relationships other
than the positive ones that are commonly reported.

Large-scale surveys of streams with differing levels of shredder species rich-
ness largely support the experimental results. Jonsson et al. (2001) looked at 23
boreal streams of varying sizes and found that, in addition to important environ-
mental factors, shredder species richness was most strongly correlated with litter
decomposition. Dangles et al. (2011) found similar results in 24 high altitude
Neotropical streams; even after accounting for environmental factors like water
flow, shredder richness and abundance had significant impacts on decomposition
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rates. This result was supported by a complementary field experiment manipu-
lating shredder richness. The result was transgressive overyielding, i.e., that diverse
communities decomposed litter at rates greater than any of the species in isolation,
suggesting that complementary resource use or facilitation among species was the
underlying mechanism.

While many of the tests of species loss have focused on hypotheses about niche
complementarity and facilitation, subsequent conclusions of how disturbance—local
or regional—can deplete species, with consequences for litter decomposition rates.
There has been some work in this regard. Jonsson et al. (2002), in field microcosms,
removed shredder species in the sequences in which they are predicted to disappear,
in response to two common types of anthropogenic disturbances: acidification and
organic pollution, and followed litter decomposition rates. Species identity signif-
icantly affected decomposition rates, while species richness as a whole was non-
significant. Mckie and Malmqvist (2009) investigated effects of biodiversity and
two abiotic perturbations on three related indices of ecosystem functioning: litter
decomposition, detritivore processing efficiency and detritivore growth. In naturally
acidic, nutrient poor streams, these variables were measured under two disturbance
regimes: liming and nutrient enrichment, raising pH and nutrient levels, respectively.
In contrast to expectations, leaf decomposition actually increased under the two
disturbance regimes, likely due to a reduction in interspecific trait complementarity
which were alleviated under the stress of the disturbance regimes. Moreover, species
richness was associated with a decrease in decomposition, while shredder density
increased decomposition rates. Lastly, Dangles and Malmqvist (2004) surveyed
streams with different levels of species richness, identity and evenness. They found
that shredder community composition influenced the diversity–decomposition rela-
tionship, with decomposition being much higher for a given species richness at
sites with high species dominance than at sites where dominance was low. This
was exacerbated by the identity of the dominant species. The dominance effects
on decomposition varied seasonally and the number of species required for main-
taining decomposition increased with increasing evenness. These results suggest
that under a disturbance regime, loss of particular shredder taxa, or of the dominant
shredder species, could be detrimental to litter loss rates if these taxa are differen-
tially susceptible to disturbance. Overall, these field studies highlight the importance
of environmental context for biodiversity–ecosystem functioning relationships.

7.8.2 Microbial Diversity

Fungi are the main group of microbial decomposers on litter. In fact, their exoen-
zyme activity softens leaves, making them more palatable to shredders (Webster &
Benfield, 1986). There has been some work on how species loss of fungi can influ-
ence litter decomposition rates. Duarte et al. (2008) conducted a microcosm experi-
ment with monocultures and all possible combinations of four aquatic hyphomycete
species, Articulospora tetracladia, Flagellospora curta, Geniculospora grandis
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and Heliscus submerses. They focused on litter decomposition, fungal production
and reproductive effort. They found that both species richness and identity signifi-
cantly affected fungal biomass and conidial production, but only species identity had
a significant effect on decomposition. In mixed cultures, all measures of fungal func-
tions were greater than expected from the weighted performances of participating
species in monoculture. The three examined aspects of fungal activity tended to
increase with species richness, suggesting a complementary effect was taking place.

Alternatively, Dang et al. (2005) found, in a stream microcosm, that rates of litter
decomposition and associated fungal spore production were unaffected by changes
in decomposer diversity under either ambient or harsh environmental conditions.
However, they did find that the magnitude in variability of process rates among
communities increased when species numbers were reduced. The authors attributed
this to the portfolio effect with the uneven species distribution typical of natural
communities tending to weaken that effect. Curbing species extinctions to maintain
ecosystem functioning can thus be important even in situations where process rates
are unaffected over the short term.

7.9 Vertical Diversity

Biodiversity effects on litter decomposition have mostly been tested separately at
different trophic levels - litter, microbial, or detritivore. But in a more realistic food-
web context, this represents a focus on horizontal, within-trophic level diversity,
which needs to be studied also in the context of vertical, across-trophic level diver-
sity. There is no general prediction for how biodiversity at different trophic levels will
influence decomposition. For example, if competitive hierarchies among detritivore
taxa are driving biodiversity effects of the consumers on decomposition, the intro-
duction of a predator might shift the hierarchy, perhaps removing the most efficient
species. The result could be a change in how biodiversity is related to decompo-
sition rates (see above). Alternatively, should a predator feed on the least efficient
consumer, diversity of consumers might enhance decomposition. Furthermore, top
predators may also have non-lethal effects on shredders (e.g., fish odor, see below),
so that a diverse community is less affected by such indirect predator effects, and
therefore even more important in the presence of a predator. This becomes all the
more complicated by relative abundance of efficient vs. inefficient consumers. Taken
together, the way food web actors interact to disrupt complementary versus facili-
tative effects will, in part, help explain how horizontal and vertical diversity reach
down to control decomposition rates.

Exploration of the within- vs. between-trophic effects of biodiversity on litter
decomposition rely on classic theory on top-down vs. bottom up effects. For example,
in laboratory microcosms Costantini and Rossi (2010) showed a general increase
in decomposition rate with increasing biodiversity, and that this was controlled by
within- and between-trophic level interactions, supporting the hypothesis of both
bottom-up and top-down effects of diversity on this process. Mixing litter species
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stimulated growth of a diverse fungal assemblage, but interactions between fungal
species slowed down decomposition. However, diversity of shredders reduced fungal
mass and accelerated leaf decomposition. Possible explanations posited by the inves-
tigators of the positive relationship between detritivore diversity and decomposition
are a reduction in fungal dominance and a differentiation in the use of different
resource patches promoted by higher fungal diversity.

Streams harbor suites of taxa with different feeding strategies (Cummins & Klug
1979). These strategies can depend on one another. For example, particle feeders—
either by suspension or gathering from surfaces—depend on the delivery of particles
from various sources. These can include feces, or frass, from shredders (Cummins &
Klug 1979). Jonsson and Malmqvist (2005) manipulated the presence, absence and
species richness of shredding stoneflies in laboratory microcosms containing litter to
test whether the shredder species richness affected the performance of suspension-
feeding black fly larvae. The presence of shredders alone increased the production of
particles and contributed to higher black fly growth than in the absence of shredders.
In one of the experiments they carried out, as species richness increased, so did black
fly growth. This was in addition to species composition effects. Their results show
that species richness and composition in one functional feeding group of consumers
may affect another down the processing chain,most likely via effects on both quantity
and size distribution of products derived from the process.

Probably the most elaborate study to date exploring horizontal and vertical diver-
sity simultaneously is by Jabiol et al. (2013). They rightly hypothesized that simul-
taneous losses of species at different trophic levels may also result in interactive
effects, with potentially complex outcomes for ecosystem functioning. They manip-
ulated fungal decomposer diversity (0, 1, 5 species), detritivore diversity (0, 1, 3
species), and the presence of predatory fish scent. The results suggest that trophic
complexity is key to eliciting diversity effects on litter decomposition. Specifically,
although fungi and detritivores tended to promote decomposition individually, rates
were highest in the most complete community where all trophic levels were repre-
sented at the highest possible species richness. In part, the effectswere trait-mediated,
reflected in the contrasting foraging responses of the detritivore species to predator
scent. Their results highlight the importance of interactive effects of simultaneous
species loss within multiple trophic levels on ecosystem functioning.
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Chapter 8
The Role of Key Plant Species on Litter
Decomposition in Streams: Alder
as Experimental Model

Javier Pérez, Ana Basaguren, Naiara López-Rojo, Alan M. Tonin,
Francisco Correa-Araneda, and Luz Boyero

Abstract A key or keystone species is defined as a species with disproportionately
large effects on the ecosystem relative to its abundance. In freshwater ecology it is
often used with a bottom-up perspective, to refer to riparian plant species whose litter
resources are of particular importance for invertebrate communities and ecosystem
processes. This includes fast-decomposing species that represent an important litter
supply in terms of nutrients (e.g., alder) and slow-decomposing species that last for
long in the stream and are able to sustain communities in periods were preferred
resources have disappeared (e.g., oak). This chapter will focus on the major role that
litter of the genus Alnus (i.e., alder) plays in the decomposition process, a crucial
component of stream ecosystem functioning. Alder litter often determines overall
decomposition rates and how these are affected by factors such as plant diversity as
well as rates of nutrient cycling or secondary production. We take advantage of the
wide use of alder litter in multiple studies conducted at different spatial scales (from
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local to global) and with different approaches (from laboratory to field studies) to
illustrate how the presence and abundance of a key riparian plant species can drive
stream ecosystem functioning.

8.1 The Key Species Concept

The concept of keystone species was coined by Robert T. Paine, a zoologist and
ecologist at the University of Washington (USA), to describe the role of a predator
species for shaping community structure in a rocky intertidal zone. In his words,
“…the species composition and physical appearance were greatly modified by the
activities of a single native species high in the food web. These individual populations
are the keystone of the community’s structure, and the integrity of the community
and its unaltered persistence through time… are determined by their activities and
abundances” (Paine, 1969). That was the first time this author used the keystone
term, although he had previously described the important role of the starfish Pisaster
ochraceus as predator of mussels in an intertidal community (Paine, 1966).

The keystone species term has been broadly applied since its first use, but its
meaning has often varied (Mills et al., 1993). Key and keystone species have been
generally used with similar meaning (but see Higdon, 2002), and we use them here as
synonymous. While the original definition referred to top predators with large influ-
ence in the maintenance of community diversity and organization, in conservation
ecology it has been typically used as synonym of the umbrella species concept, which
implies the protection of overall communities or ecosystems through the manage-
ment of a single species (e.g., Rohlf, 1991). Moreover, Mills et al. (1993), in a
review about this concept, considered five categories of key species depending on
the community compartment mainly affected by their loss: (1) predators (with effects
on their prey or their competitors), (2) prey (with effects on their predators or other
prey), (3) plants (with effects on animal consumers), (4) links (e.g., pollinators or
seed dispersers, with effects on plants) and (5) modifiers (e.g., beavers, with effects
on the habitat). In recent years, as a consequence of the growing rate of biodiversity
loss (Barnosky et al., 2011; Loh &Wackernagel, 2004), the probability of extinction
of key species has increased. Given the main ecological role of these species, their
loss generally has important repercussions for ecosystem functioning, with the term
keystone process species sensu Folke et al. (1996) also being used to refer to species
that can drive critical ecosystem processes. Again, this term usually refers to players
more than resources, with a top-down perspective (Davic, 2003).

However, in freshwater ecology the key species concept is often used with a
bottom-up perspective, referring to riparian plant species whose litter is of particular
importance for stream communities and ecosystem processes such as decomposi-
tion. Several studies have pointed out the key importance of certain riparian plant
species in stream ecosystems. For example, Piccolo and Wipfli (2002) and Wipfli
and Musslewhite (2004) highlighted the role of red alder (Alnus rubra) in upland
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stream reaches in Alaska to increase invertebrate and detritus subsidies to down-
stream sites and support higher salmonid biomass through trophic linkages. Swan
and Palmer (2004) studied litter diversity effects on decomposition and concluded
that the presence of a single key species, the American sycamore (Platanus occi-
dentalis), caused non-additive effects in the decomposition of litter mixtures. These
authors reported in a subsequent study that the loss of individual riparian species
could influence consumer production and material processing, and suggested that
the presence of this single slow-decomposing species (P. occidentalis) could inhibit
detritivore growth and thus control consumer secondary production (Swan&Palmer,
2006). Also with a bottom-up perspective, França et al. (2009) studied litter inputs
to a Brazilian stream in order to identify key riparian species for energy fluxes and
nutrient cycling in tropical headwaters.

The review by Woodward (2009) about freshwater biodiversity, ecosystem func-
tioning and food webs discussed the importance of litter variability in terms of
ecological stoichiometry; thus, the presence of more recalcitrant litter types (e.g.,
oak) could enable consumers to persist once higher-quality resources (e.g., alder)
have been depleted (see also Haapala et al., 2001). Kominoski et al. (2011) studied
the effects of riparian species composition on stream ecosystem functioning, which
was driven by high-quality litter inputs. The revision by Swan and Kominoski (2012)
on plant biodiversity and decomposition highlighted several bottom-up effects on
aquatic food webs. Boyero et al. (2014) showed that the identity of species that are
lost from communities and of those that remain is a key driver of decomposition.
The conceptual model of litter decomposition in low-order streams by Graça et al.
(2015) suggested that riparian vegetation dominated by nitrogen (N) fixers (such as
alder) accelerates overall decomposition in streams. Tonin et al. (2017a) assessed
plant diversity effects on decomposition and identified different underling mecha-
nisms (following Loreau & Hector, 2001), one of them being positive selection (i.e.,
positive diversity effects arising when the presence of a particular species with high
decomposition rate dominates the decomposition rate of the mixture).

As shown in the above examples, the effects of key plant species on stream
ecosystem functioning have been commonly explored in the literature. In these
studies, the key species concept refers mainly to two types of species: (1) fast-
decomposing species that represent an important litter supply in terms of nutrients
(e.g., alder); and (2) slow-decomposing species that last for long in the stream and are
able to sustain communities in periods when preferred resources have disappeared
(e.g., oak). The latter species are not riparian species, at least in temperate areas,
but they are abundant in the surrounding forest; thus, they might be dominant but
not keystone species (sensu Higdon, 2002). The presence of alder litter often deter-
mines overall decomposition rates, or associated processes such as nutrient cycling
or secondary production, and how these are affected by factors such as plant diver-
sity or detritivore community density. A large number of plant litter decomposition
experiments have used alder litter for two main reasons: (1) alder species are often
dominant riparian species (mostly in Europe but also present in other areas; Fig. 8.1);
and (2) theyprovide ecosystemswith fast decomposing litter, hence beingparticularly
suitable for short-term experiments lasting a few weeks. In this chapter, we mainly
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Fig. 8.1 Natural distribution of the alder species (genus Alnus) (Image credit Ninjatacoshell—com
mons.wikimedia.org/w/index.php?curid=27474274—based on Silvester [1977])

focus on the major role that alder litter plays in the process of litter decomposition
in temperate streams.

8.2 Alder Litter in Field Experiments

Alder is the common name of a genus of riparian plants (Alnus) belonging to the
family Betulaceae. The genus comprises about 35 species, some of which are domi-
nant riparian species in Eurasia (mainly black alder, Alnus glutinosa, but also grey
alder, A. incana). Moreover, the genus is also present in the American continent,
including grey alder but with some endemic species such as Andean alder (A. acumi-
nata), red alder (A. rubra) or Arizona alder (A. oblongifolia); and in Asia, including
Japanese alder (A. japonica) and Manchurian alder (A. hirsuta). The N fixation
capacity is themost relevant functional trait of alder trees, through the symbiotic rela-
tionship with Frankia alni, a filamentous actinomycete, N-fixing bacterium (Franche
et al., 2008). Thus, they are scarcely limited by soilN content. These bacteria, found in
tree root nodules, absorb atmospheric N2, making it available to the tree in exchange
of sugars. Therefore, alder (through roots and litter) improves the fertility of the
soil where it grows, boosting ecological succession in poor soils. In aquatic ecosys-
tems it constitutes an allochthonous resource of key importance, reaching to the
stream in the form of litter with relatively low carbon (C):N and C:P ratios (Hladyz
et al., 2009). Hence, hereafter we will mainly focus on alder species as examples of
fast-decomposing, nutrient-rich litter that is of key importance in their distribution
areas.

https://commons.wikimedia.org/w/index.php?curid=27474274
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Taking advantage of the wide use of alder in multiple field studies using the litter
bag technique (Bärlocher, 2005) at different spatial scales (from local to global;
Table 8.1), we illustrate how the presence and abundance of this key riparian tree (as
an example of fast-decaying species) can drive overall stream ecosystem functioning.

8.2.1 Alder and Stream Litter Processing Capacity

Alder litter is commonly used in studies dealing with land use (which implies the
replacement or removal of riparian and/or surrounding vegetation), as it usually
reflects the processing capacity of the streamdetritivore community better than lower-
quality litter. Thus, in Northern Spain, decomposition of black alder (A. glutinosa)
was 20% lower in streams flowing through exotic pine plantations (Pinus radiata)
than in streams flowing through mixed deciduous forests, possibly in relation to the
lower detritivore densities in the former; in contrast, decomposition of pine needles
was lower than that of alder and did not differ between stream types (Martínez et al.,
2013). Similarly, litter of Andean alder (A. acuminata) decomposed faster than that
of another N-fixing local tree species (cutlass guaba, Inga spectabilis) in forest and
pasture streams of Ecuador; the difference was greater for coarse-mesh than for fine-
mesh bags in forest streams (1.9- vs. 1.3-fold,) and in pasture than forest streams
(1.8- vs. 1.4-fold), and alder litter harboured almost twice more species of microbial
decomposers and showed higher sporulation rates (Encalada et al., 2010).

The above pattern, however, is not general, as other studies have shown higher
sensitivity of poorer-quality litter to land use changes. For example, black alder
decomposition did not differ between streams running through mixed deciduous
forests and beech forests in France (Lecerf et al., 2005), in contrast to common oak
litter (Quercus robur) decomposition, which was higher in mixed forest streams
in coarse-mesh bags; still, alder decomposed faster than oak, in both coarse-mesh
and fine-mesh bags. In a regional scale study, black alder also decomposed much
faster than common oak in coarse-mesh and fine-mesh bags in 11 Mediterranean
streams in Northeastern Spain with varying environmental conditions in terms of
hydrology, water quality and invertebrate assemblages; alder decomposition was
related to detritivore density and biomass, but that was not the case for oak (Monroy
et al., 2016).

8.2.2 Dissolved Nutrients and Alder Decomposition

Alder litter has lower nutrient stoichiometric imbalance for stream consumers than
most other litter types (Hladyz et al., 2009), so the availability of dissolved nutri-
ents or the stream trophic status (sensu Dodds, 2007) generally has less effect
on alder decomposition than on that of nutrient-poorer species. In consequence,
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Table 8.1 Examples of field decomposition studies (streams and rivers) using leaf litter of alder
and other species (also other substrates: wood and sticks). A brief statement about alder-derived
results is given

References Plant species Alder-related result

Lecerf et al. (2005) Alnus glutinosa Decomposition rate of alder litter
was around twice as fast as that of
oak litter

Quercus robur

Ferreira et al. (2006) Alnus glutinosa Nitrate enrichment did not stimulate
alder litter decomposition rates (as
did for oak litter)

Ochroma pyramidale (wood)

Quercus robur

Gulis et al. (2006) Alnus glutinosa Low levels of eutrophication
stimulated decomposition less for
alder than for oak litter

Quercus robur

Abelho (2008) Alnus glutinosa Alder litter was colonized earlier and
then macroinvertebrates shifted
towards harder litter

Castanea sativa

Quercus ilex

Arroita et al. (2012) Alnus glutinosa Shedders were more abundant in
alder bags and almost absent from
poplar sticks. Poplar and alder litter
belong to the fast processing group

Fagus sylvatica

Eucalyptus camaldulensis

Platanus × hispanica

Populus nigra (leaves & sticks)

Quercus robur

Ferreira et al. (2012) Alnus glutinosa Alder seemed to drive the
decomposition of litter packsCastanea sativa

Inga punctata

Quercus robur

Triplaris dugandii

Zygia cataractae

Martínez et al. (2013) Alnus glutinosa Pine plantations reduced litter
processing capacity of streamsPinus radiata

Pérez et al. (2014) Alnus glutinosa Transplantation to a nutrient-richer
site enhanced eucalypt litter
processing (but not alder one)

Eucalyptus globulus

Boyero et al. (2016) Alnus glutinosa Temperature had a large positive
influence on microbial
decomposition of alder litter

+70 local species

Monroy et al. (2016) Alnus glutinosa Alder litter decomposition was
positively correlated to the density
and biomass of shredders; that of
oak litter was not

Quercus robur
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using alder in comparison with poorer-quality litter allows examining the magni-
tude of such effects. In a Portuguese stream experimentally subjected to different
levels of N enrichment across a stream reach, decomposition of black alder was not
affected by enrichment, while decomposition of common oak (which was lower than
that of alder) was enhanced by N enrichment (Ferreira et al., 2006). Similarly, in
another study, decomposition of black alder did not consistently differ between 5
pairs of reference/eutrophic Portuguese streams, in contrast to the consistently faster
decomposition of common oak in eutrophic streams (Gulis et al., 2006); the authors
suggested that this could be due to a higher susceptibility of alder litter to mechan-
ical fragmentation and erratic detritivore colonisation and feeding, and to the lower
nutrient content of oak litter, which may trigger a more rapid microbial response to
eutrophication. Similar results were observed in a litter-bag transplantation experi-
ment in Northern Spain (Pérez et al., 2014), where black alder decomposition was
less affected by the stream trophic status than that of blue gum eucalypt (Euca-
lyptus globulus); while eucalypt decomposed faster in a midstream than a headwater
reach (the former being more affected by agroforestry), alder decomposition was
similar between reaches, even when litter had been transplanted from the other reach.
Nonetheless, other studies have shown that dissolved nutrient availability can influ-
ence variables related to alder decomposition such as the conditioning level reached
[i.e., the microbially-mediated quality change; e.g., Pozo et al. (2011)].

8.2.3 Alder: The Top of the Class

Alder litter is often a preferred resource of decomposers, being usually the one that is
decomposed fastest in studies comparing different types of litter (Casas et al., 2013).
For example, in a Portuguese stream, black alder decomposed more than 3-times
faster (k = 0.033 d−1) than sweet chestnut (Castanea sativa) or common oak (k =
0.011 d−1 in both cases) in coarse-mesh bags in a 2-month experiment; this study
showed that detritivores colonized alder earlier (with a peak at day 28) than the other
species (day 65), suggesting that they exploited their preferred resource first and then
shifted to less palatable resources (Abelho, 2008). Similarly, in a pristine stream in
Northern Spain, black alder and black poplar (Populus nigra) decomposed at a similar
rate (k = 0.012 d−1 for both) and were faster than 4 other species [common oak,
beech (Fagus sylvatica), London plane (Platanus × hispanica) and river red gum
eucalypt (Eucalyptus camaldulensis): k = 0.002 to 0.008 d−1] in coarse-mesh bags;
furthermore, detritivore densities and fungal sporulation rates were highest in alder
(Arroita et al., 2012). However, in the same study, the decomposition rate of alder in
a nearby polluted stream was reduced by 48%, a greater reduction than that for most
other species (5% for poplar, 24% for oak, 26% for beech and 36% for eucalypt),
suggesting that deleterious effects of pollutants on detritivores were not compensated
by nutrient subsidies for alder litter as they did for nutrient-poor litter types (Arroita
et al., 2012).



150 J. Pérez et al.

8.2.4 Alder Is Always Welcome

Given the known palatability of alder litter, this substrate is a good candidate when
aiming to select a common substrate for decomposition studies conducted at large
spatial scales. For example, black alder decomposition rates were similar between
a temperate (Portugal) and a tropical (Ecuador) stream, but faster in the temperate
streamwhendatawere adjusted bywater temperature (Ferreira et al., 2012); it decom-
posed faster in coarse-mesh than in fine-mesh bags, and it showed higher fungal
biomass, taxonomic richness and sporulation rates than other species, and higher
densities of detritivores than common oak, in the temperate stream. In the same
study, litter of other species incubated with alder in 3-species mixtures decomposed
faster than in monoculture, so the presence of alder seemed to enhance decompo-
sition; in contrast, the presence of oak in mixtures had the opposite effect (Ferreira
et al., 2012).

In a large-scale study across Europe, decomposition of black alder and common
oak in coarse-mesh bags (and less so in fine-mesh bags) showed a humped-shaped
response (i.e., a subsidy stress response) to increasing nutrient concentrations; rates
were low at the extremes, and low to high at intermediate concentrations, where nutri-
ents were not limiting and other stressors were not too high, so other drivers became
important (Woodward et al., 2012). In another large-scale study including multiple
tropical sites around the world, black alder litter decomposed faster than most native
littermixtures, with few exceptions; differences between alder andmixtures occurred
for both coarse-mesh and fine-mesh bags, and variation across sites was larger for
alder than for mixtures, possibly reflecting differences in detritivore and microbial
assemblages (Boyero et al., 2015).

In other global-scale studies, decomposition of black alder was mainly driven
by temperature, mostly through its direct influence on microbial decomposition rate
(Boyero et al., 2011, 2016). Alder decomposition was higher in more alkaline waters
in warmer streams (possibly through effects on microorganisms and detritivores that
are sensitive to low pH), but higher in more acidic waters in cooler streams (where
detritivores typical of acidic waters dominate).

8.3 Alder Litter in Laboratory Experiments

Here we mainly refer to litter decomposition experiments conducted in microcosms,
which are enclosed, simplified and relatively small ecological systems containing
a reduced assemblage of living organisms (Canhoto et al., 2005). While artificial
stream facilities (which are in between field and microcosms approaches) are also
used sometimes (e.g., Zubrod et al., 2017), the low number of studies so far precludes
any generalization. Microcosms can be of very different sizes, from little flasks
or test tubes to big tanks; however, for litter decomposition studies, microcosms
often consist of glass jars filled with stream water, sediment and litter as the main
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resource for detritivores and microorganisms, and provided with a natural photope-
riod and aeration to mimic streams conditions (for further details see chapter 20 in
this volume). The present section draws some generalizations derived from the use
of alder litter in microcosm experiments using a selection of ten stream microcosm
studies (Table 8.2).

8.3.1 Alder Is a Good Resource for Consumers

As occurred in field studies, alder litter usually is the highest-quality resource in
microcosm experiments, due to its low C:N ratio. This implies that it is usually the
resource preferred by detritivores, resulting in higher consumption, and rendering
higher detritivore growth rates. Most microcosm experiments have measured
consumption rates (and other associated variables) of litter types of contrasting
quality, which are generally offered separately to consumers (monocultures). Thus, in
most cases [but see Solagaistua et al. (2019)], alder has shown the highest consump-
tion rate. This is despite the fact that different detritivorous consumers have been used,
with caddisflies (e.g., Sericostoma pyrenaicum, S. vittatum, Limnephilus atlanticus)
and amphipods (e.g., Gammarus pullex, G. fossarum, Echinogammarus berilloni)
being the most common ones; an exception is Fidalgo et al. (2013), who used the
red swamp crayfish Procambarus clarkii. All these microcosm experiments have
allowed the study of variables associated with the decomposition process that are
very difficult or impossible to measure in the field. This includes, for example, detri-
tivore growth and survival rates (Balibrea et al., 2017; Larrañaga et al., 2014a), or
nutrient assimilation efficiency (Santonja et al., 2018), all of which are usually higher
when invertebrates feed on alder. These physiological variables appear to be accurate
short-term ecological indicators of different stressors (Landeira-Dabarca et al., 2019;
Pérez et al., 2021).

8.3.2 Alder Is a Key Driver of Litter Diversity Effects
on Decomposition

Even if some relevant studies have focused on detritivore consumption preferences
(e.g., Balibrea et al., 2017; Foucreau et al., 2013; Graça&Cressa, 2010), themajority
of experiments conducted in the last couple of decades have examined the conse-
quences of losing litter diversity on decomposition. These studies have shown that
litter diversity loss significantly alters the rates of decomposition and other related
processes, such as nutrient cycling and the production of fine particulate organic
matter (Fernandes et al., 2015; López-Rojo et al., 2018, 2019). Some diversity effects
might be driven by a small supply of alder (Larrañaga et al., 2020), stimulating
the consumption of low quality litter. Furthermore, the simultaneous assessment of
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Table 8.2 Examples of laboratory decomposition studies (stream microcosms mainly) using alder
and other litter species. A brief statement of alder-derived results is given

References Plant species Alder related result

Villanueva et al. (2011) Alnus glutinosa Larvae lost phosphorus at higher
temperature when fed oak or eucalypt litter,
but not when fed alder litter

Quercus robur

Eucalyptus globulus

Jabiol and Chauvet (2012) Alnus glutinosa Mixing litter increased walnut consumption
but not that of alder or oak litterBetula pendula

Juglans regia

Quercus robur

Foucreau et al. (2013) Alnus gutinosa Consumption rates on alder litter were
significantly higherCarpinus betulus

Quercus robur

Larrañaga et al. (2014a) Alnus glutinosa Detritivores feeding on alder litter had
higher growth rate and recovered the mass
lost in reproduction in short time

Eucalyptus globulus

Quercus robur

Campos et al. (2014) Alnus glutinosa Cadmium exposure only affected the mass
loss of alder litter, reducing detritivore
feeding

Eucalyptus globulus

Arce-Funck et al. (2016) Acer pseudoplatanus Consumption and energetic storage, but not
consumer tolerance to silver, was higher on
alder litter

Alnus glutinosa

Tonin et al. (2017a) Alnus glutinosa Alder litter decomposed faster than other
species. Detritivores fed preferentially on
alder litter

Populus nigra

Robinia pseudoacacia

Salix atrocinerea

Santonja et al. (2018) Alnus glutinosa Consumption was higher in alder than in
oak litter. Assimilation was twofold higherQuercus robur

López-Rojo et al. (2018) Alnus glutinosa Alder litter monocultures showed the
highest consumption and growth rate. Plant
diversity effect increased in presence of
alder litter

Corylus avellana

Ilex aquifolium

Quercus robur

Solagaistua et al. (2019) Alnus glutinosa Alder litter was the second preferred
resource; consumption of European ash
litter was higher, following a quality index

Corylus avellana

Fagus sylvatica

Fraxinus excelsior

Quercus robur
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microcosms containing monocultures and mixtures has enabled to understand the
mechanisms underlying such diversity effects. Nutrient-poor species such as oak
can benefit from the presence of nutrient-rich species such as alder, which suggests
possiblemechanisms. For example, alder leaching could enhancemicrobial coloniza-
tion and detritivore-mediated consumption of poor resources; thus, the presence of
alder can increase themagnitude of diversity effects on decomposition and associated
processes (López-Rojo et al., 2018).

Results of microcosm studies are not always consistent or easily comparable. This
could be related to different methodological procedures, such as the use of different
substrates, even within the same species, which might differ in nutrient contents
(e.g., litter from different areas or years, Lecerf & Chauvet, 2008), or consumers
with different conditions (e.g., life stage, physiological status, acclimation period).
For example, some studies found alder consumption to be variable (sometimes lower
than expected) when offered together with lower-quality litter in mixture (Jabiol &
Chauvet, 2012; Little & Altermatt, 2018). Solagaistua et al. (2019) suggested that
special care should be taken when comparing microcosm experiments with different
incubation times.

8.3.3 Alder Can Inform About Early Effects
of Environmental Change

As alder litter is a fast-decomposing litter, it can be used to detect early ecolog-
ical consequences of environmental change such as increases in water tempera-
ture, dissolved nutrients or pollutants, using experiments of relatively short duration.
For example, Villanueva et al. (2011) examined the metabolic rates of Sericostoma
vittatum larvae feeding on black alder, blue gum eucalypt and common oak at two
different temperatures, concluding that litter type modulated the effects of tempera-
ture; while larvae fed poor-quality litter lost P and reduced N assimilation efficiency
at higher temperature, this did not occur for larvae fed alder. Also, Tonin et al. (2017a)
showed that microbial activity was enhanced by dissolved N availability on N-poor
poplar, but not on N-rich alder. Similarly, studies assessing effects of other pollutants
on decomposition have been usually conducted using a single litter type, often black
alder (e.g., Zubrod et al., 2017). Campos et al. (2014) examined the decomposition
of black alder and eucalyptus that were pre-incubated in water with cadmium; alder,
but not eucalyptus, was decomposed more slowly at higher cadmium concentrations.
In contrast, Arce-Funck et al. (2016) conducted and experiment where G. fossarum
previously fed black alder or sycamore maple (Acer pseudoplatanus) were exposed
to different water silver concentrations; although consumption rate and energetic
storage was higher for individuals fed alder, this did not increase their tolerance to
dissolved silver, so alder litter was unable to compensate for the negative effects of
this metal. Therefore, taking these studies into account, some toxicological effects
could be litter type-dependent (Arce-Funck et al., 2018; Cornejo et al., 2020).
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8.4 Comparisons Between Alder and Poor-Quality Litter

Some of the above sections have mentioned the utility of analysing patterns of
decomposition of high-quality, fast-decomposing alder in comparison with those of
poor-quality, slow-decomposing species (mainly oak). Here we explore the useful-
ness of calculating ratios between alder and oak decomposition rates (hereafter
A/O) for different purposes. The use of decomposition ratios as indices of stream
ecosystem functioningwas suggested byGessner and Chauvet (2002), who proposed
the use of ratios between impact and reference sites as indicators of impairment, or
between coarse-mesh and fine-mesh bags as indicators of detritivore activity. They
also suggested that ratios of fast-decomposing and recalcitrant litter could be useful;
for example, they could inform about different mechanisms contributing to decom-
position, or about the different time scales required for impact assessment. Still, the
use of such ratios is scarce, even if the experimental comparison of litter types of
contrasting quality is a common practice. An exception is Larrañaga et al. (2014b),
who explored black alder (A) and eucalyptus (E) decomposition rates and associated
detritivore densities and presented both of them as A/E ratios.

While ratios cannot replace original data on decomposition rates of different
species, they provide complementary information. For example, they can reflect the
influence of different factors or the relative importance of different decomposition
agents (e.g., alder may better reflect the processing capacity of detritivores, and oak
the degree of microbial conditioning). Here, taking advantage of the abundance of
decomposition field studies using black alder and common oak, especially deriving
from the RivFunction European project (Chauvet et al., 2016), we present A/O ratios
from coarse-mesh and fine-mesh bags (representing total and microbial decomposi-
tion, respectively) and explore the potential of such ratios to provide useful informa-
tion about stream ecosystems. The following comments should be considered only
as tentative explanations of the patterns evidenced by A/O ratios, supported by the
empirical observations of studies revised here.

Firstly, we plotted mean values of A/O ratios of decomposition rates for the
different regions (Fig. 8.2) included inWoodward et al. (2012), who explored effects
of nutrient enrichment in 100 streams greatly differing in dissolved nutrient avail-
ability (the 1st workpackage of RivFunction). In most cases, alder decomposed
considerably faster than oak. Only sites in Northern Sweden (with very low temper-
ature and dissolved nutrient availability) presented A/O ratios below 2 in coarse-
mesh and fine-mesh bags, meaning that decomposition of alder and oak was very
similar; these low ratios (and rates) suggested biotic limitation, usually observed in
such environmental conditions. In general, A/O ratios from both coarse-mesh and
fine-mesh bags showed values between 2 and 6. Several regions of Europe, all of
themwithin the upper range of water temperature values (Switzerland, Spain, France
and Portugal), showed marked differences between coarse-mesh and fine-mesh A/O
ratios, the latter being lower; this suggests a higher preference of detritivores for
alder, while microbial decomposers appeared to be less determined by litter quality,
as usually observed. The A/O ratios within each of these regions were rather similar,
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Fig. 8.2 Mean A/O ratios (±SE, n = 10 sites per region) of exponential decomposition rates in
coarse-mesh (dark circles) and fine-mesh bags (light triangles), with regions ordered by mean water
temperature (ºC). Mean dissolved nutrient availability (µg L−1) in terms of dissolved inorganic
nitrogen (DIN) and soluble reactive phosphorus (SRP). The grey dot line means no difference
between alder and oak decomposition rate (i.e., A/O = 1) (Data credit Woodward et al. [2012])

with only French sites showing high intra-regional variability in coarse-mesh ratios.
Regional similarity in A/O ratios could be related to ecogeographic features (e.g.,
climate, hydrology, biological communities, etc.) determining the processing capac-
ities of the different regions, and intra-regional variability of the ratio might point to
high environmental variability among sites.

Secondly, we discuss some coarse-mesh A/O ratios from studies derived from
the 2nd workpackage of RivFunction, which was focused on the effects of riparian
forest modification. Lecerf et al. (2005) compared effects of forest type (beech vs.
mixed) on decomposition across sites in France. These authors indicated that there
were significant differences in decomposition rates of coarse-mesh bags only when
considering the interaction between forest type and litter type. Using data from this
study, we obtained A/O ratios of ca. 4.0 in mixed forest sites and 1.8 in beech
forest sites, indicating the important influence of riparian vegetation in supporting
detritivore assemblages.Riipinen et al. (2010) examined alder andoakdecomposition
at 30 sites in 3 European regions; the A/O ratios in coarse-mesh bags were ca. 6.0 in
England, but much lower in Ireland and Poland (2.5–3.0 and 1.0–1.5, respectively),
regardless of the surrounding vegetation type. Similar results were found in a study
comparing litter decomposition in streams surrounded by deciduous forest or pasture
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in 3 European regions (Hladyz et al., 2010): the A/O ratio of coarse-mesh bags
was independent of riparian vegetation in Ireland (3.8 vs. 3.9 in forest and pasture,
respectively) and Romania (4.3 vs. 4.5), but not in Switzerland (2.5 vs. 1.0). The latter
was the only region showing differences in decomposition between land use types,
possibly due to differences in detritivore assemblages (Hladyz et al., 2010). Ferreira
et al. (2015) found differences in alder and oak decomposition in coarse-mesh bags
between streams sites surrounded by mixed forest and eucalyptus plantations in
Spain and Portugal; we observed A/O ratios of 2.9 and 2.5 in mixed forest streams
(Spain and Portugal, respectively) and 1.1 and 2.0 in eucalyptus streams, suggesting
greater effects of plantations on detritivores at the Spanish sites (which held higher
invertebrate densities than the Portuguese sites), as discussed by the authors.

Finally, we consider studies other than those from RivFunction. A study in
Northern Spain found that decomposition of litter differing in quality (black alder,
beach and common oak) had similar sensitivity to temperature along an altitu-
dinal gradient, possibly due to small variations in detritivore assemblages along
the gradient (Martínez et al., 2016); A/O ratios derived from this study ranged from
4.5 to 4.7, supporting their conclusions. Monroy et al. (2016) found high variability
in decomposition rates across 11 streams of the Ebro river basin in Northeastern
Spain; A/O ratios from these streams were in general high but also highly variable
(2.8–8.0), possibly reflecting the effects of high environmental variation in terms of
hydrology, water quality and invertebrate assemblages.

8.5 Conclusions

We have reviewed knowledge about key riparian species, in particular alder, which
presence and/or abundance are often main drivers of stream ecosystem functioning.
This information may help with the selection of litter types to be used in decomposi-
tion experiments, depending on the study design and hypotheses to be tested in each
case. Thus, the use of alder litter may be particularly useful when short-term patterns
are of interest, while slow decomposers such as oak (or any other local recalcitrant
species) may be more informative in the long term. Moreover, alder litter, which is
a highly preferred resource, could act as ‘bait’ for detritivores in a reach depleted of
good-quality litter (e.g., Martínez et al., 2015); this could be useful in some cases,
but may also lead us to biased conclusions. Alder litter also has characteristics, other
than its fast decomposition, which make it useful in experiments; this includes high
nutrient concentrations derived from the N-fixing capacity of the tree, which makes
this species particularly suitable for studies exploring the role of litter quality on
decomposition, or the role of functional trait diversity (as alder presents special traits
such as the N-fixing capacity).

The same could apply to other fast-decomposing species in areas where alder is
not present. For example, in tropical regions (e.g., França et al., 2009), a similar role
may be played by other (N-fixing or non-fixing) species, and most likely by a variety
of species, as tropical riparian forests are more diverse (Boyero et al., 2017; Tonin
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et al., 2017b). Lianas (woody vines), which are structural parasites of shade-tolerant
trees with fast-growing capacity, might be a good example of key plant species in
tropical moist forest (van der Heijden et al., 2013) and also for litter decomposition
in streams. Some fast-decaying Ficus species might play a similar key role in the
tropical streams, as its decomposition rate is similar to that of Alnus species (López-
Rojo et al., 2020). Overall, key plant species (alone or in combination with other
species) deserve special consideration in studies assessing litter decomposition and
related processes that are fundamental components of stream ecosystem functioning.
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Chapter 9
Linking Microbial Decomposer Diversity
to Plant Litter Decomposition
and Associated Processes in Streams

Cláudia Pascoal, Isabel Fernandes, Sahadevan Seena, Michael Danger,
Verónica Ferreira, and Fernanda Cássio

Abstract The physiology, biochemistry and diversity of aquatic microbial decom-
posers have been largely investigated in low-order streams. However, some aspects
still need further attention to better ascertain how microbial decomposer diversity
can ensure ecosystem processes and services, particularly under the challenges posed
by global environmental change. Aquatic microbial decomposers play a key role in
processing plant litter in streams by degrading the most recalcitrant compounds and
facilitating nutrient and energy transfer to higher trophic levels. Among microbial
decomposers, fungi, particularly aquatic hyphomycetes, play a fundamental role
at the early stages of plant litter decomposition, while the relevance of bacteria
increases at the late stage of the decomposition. High-throughput sequencing and
metagenomic techniques open new avenues towards a more comprehensive under-
standing of microbial decomposer ecology. This chapter provides a general overview
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of aquatic microbial diversity and activity on decomposing plant litter. Attention will
be paid to the relationships between microbial diversity and their ecological func-
tions under the major threats posed by the ongoing global environmental change
to provide the response patterns of microbial decomposers to maintain nutrient and
energy fluxes in streams.

9.1 An Introduction to Microbial Decomposers
in Freshwaters

In forest streams, filamentous fungi, mainly aquatic hyphomycetes, are the key
microbial decomposers of plant litter entering streams from the riparian vegeta-
tion (Bärlocher, 1992; Gessner & Chauvet, 1994; Hieber & Gessner, 2002; Pascoal
& Cássio, 2004). The role of bacteria becomes evident once leaf litter has been
partially broken down by fungi (Baldy et al., 1995; Pascoal et al., 2005). The diversity
of aquatic hyphomycetes associated with decomposing litter evaluated from spore
morphology is well documented, particularly in Europe, Asia and North America
(Duarte et al., 2016), but the identity of bacterial plant litter decomposers has been
rarely investigated either through cultivable taxa or by counting of morphotypes
(Baldy et al., 2002; Suberkropp & Klug, 1976). Moreover, many microbial decom-
posers are not cultivable, impairing their identification (Bärlocher, 2007, 2010). On
the contrary,molecularmethods do not depend on the reproductive status ofmicrobes
or pure cultures and have the potential to holistically assess microbial decomposer
diversity (Bärlocher, 2007, 2010). Molecular methods are being developed allowing
disentangling the contribution of each species to the overall community composi-
tion. Combining this information with microbial activity measurements might open
new research avenues for disentangling the respective roles of different microbial
taxa in the decomposition process and to further clarify the missing links between
microbial decomposers diversity and the processes they drive in freshwater ecosys-
tems. Indeed, microbes play a key role in biogeochemical cycles, ensuring several
ecosystem functions and services, but the impacts of biodiversity losses in microbial
communities associated with decomposing plant detritus in freshwaters have been
overlooked.

9.2 Profiling Microbial Decomposers to Unravel Microbial
Diversity and Functions in Freshwaters

A major challenge to understand the role of microbial decomposers in ecosystem
processes is to accurately detect their identity and activity in trophic relationships.
The development of molecular approaches either to identify species or their func-
tions in decomposing leaves has had a profound impact on unraveling the diversity
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(Baschien et al., 2013;Duarte et al., 2015; Seena et al., 2019) and ecologyofmicrobial
decomposers (Andrade et al., 2016; Fernandes et al., 2011; Hayer et al., 2016).

9.2.1 Identification of Aquatic Hyphomycetes

Species identification and quantification is a crucial step in biodiversity assessment.
Traditionally, aquatic hyphomycetes are identified microscopically based on the
size and shape of asexually produced spores (conidia), typically tetraradiate or fili-
form (Gulis et al., 2020) (Fig. 9.1). Aquatic hyphomycetes conidia can be found in
foam (Pascoal et al., 2005; Sridhar & Bärlocher, 1994), suspended in stream water
(Bärlocher, 2000; Bärlocher & Graça, 2002; Pascoal et al., 2005), or released from
decomposing leaves (Fernandes et al., 2015; Pascoal & Cássio, 2004). However, the
identification of aquatic hyphomycetes based on conidium morphology has draw-
backs: some conidia aremorphologically similar demanding taxonomic expertise and
fungal sporulation is achieved only under particular conditions (Bärlocher, 2007).
DNA barcoding offers an opportunity to identify aquatic hyphomycetes accurately.
This technique uses short DNA sequences linked to individual species (Letourneau
et al., 2010; Seena et al., 2010). The internal transcribed spacer (ITS) gene region
is considered to be the most relevant barcode for identifying aquatic hyphomycetes
(Seena et al., 2010). Approximately 26% of the described aquatic hyphomycetes
species are connected to their ITSbarcode in databases (Duarte et al., 2014).However,
the major hurdle in DNA barcoding of aquatic hyphomycetes is the low number of
DNA sequences derived from voucher specimens thereby lacking reliable sequences
in the public database (e.g., National Center for Biotechnology Information—NCBI
2009–2019), which often leads to misidentifications. In a recent study to identify
fungi through DNA barcoding using the basic GenBank local alignment search tool
program (BLAST), around 30% error was detected in linking the number of ITS
sequences to taxon (Hofstetter et al., 2019). Nevertheless, DNA based approaches
open opportunities to circumvent the current constrains when assessing aquatic
hyphomycete diversity in streams.

Fig. 9.1 Conidia of aquatic hyphomycete species. From left to right: Varicosporium elodeae,
Geniculospora grandis, Tetracladium setigerum, Articulospora tetracladia and Lunulospora
curvula
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9.2.2 Genetic diversity

Genetic diversity,which includes inter and intraspecific variability, is a critical feature
of natural populations and is considered crucial for ensuring ecosystem functions
and stability in a changing environment (Duarte et al., 2019; Fernandes et al., 2011;
Seena et al., 2019). Genetic diversity was first explored within the population of two
dominant sporulating aquatic hyphomycete species,Neonectria lugdunensis (former
Heliscus lugdunensis) and Articulospora tetracladia, suggesting a high degree of
genetic variationwithin the strains from a single foampatch as determined by random
amplified polymorphic DNA (RAPD) analyses (Peláez et al., 1996). Later, the popu-
lation genetic structure of Tetrachaetum elegans, a common aquatic hyphomycete
found during the initial stages of leaf litter decomposition, was explored by amplified
fragment length polymorphism (AFLP) multilocus fingerprints; significant genetic
differentiation of this fungus was found within a limited geographic area (Laitung
et al., 2004). Furthermore, genetic variation of T. elegans, evaluated via RAPD anal-
ysis, suggested substrate preferences among the genotypes of aquatic hyphomycetes
(Charcosset & Gardes, 1999). Another aquatic fungus, Tetracladium marchalianum,
was genotyped at eight microsatellite loci and genotypic diversity of this fungus
was found to be very large and well connected at local scales (Anderson & Shearer,
2011). Thus, it can be speculated that genetic differentiation is mainly controlled
by the distances between streams and dispersal barriers. Conversely, genotypes of
A. tetracladia, discriminated through ITS barcodes, were generally geographically
widespread regardless of sampling time, sites or substrates (Seena et al., 2012). This
suggests that the drivers that lead to intraspecific diversity of aquatic fungi and the
links to their ecological functions are largely unknown.

9.2.3 Phylogeny and Diversity

Because morphological variations of conidia evolved as a consequence of selective
pressure, they do not relate to their phylogeny (Belliveau & Bärlocher, 2005; Seena
et al., 2018). Therefore, the strategy to investigate the phylogenetic relationship
between microbes is based on DNA sequence analyses of stable markers. Nuclear
rDNA sections are reputed to be optimal for the study of fungal phylogeny, e.g., 18S
rDNA, ITS and 28S rDNA (Bärlocher, 2007). However, to improve the phylogenetic
signal, multi loci comparisons are advocated (Duarte et al., 2013). Phylogenetic
studies of aquatic hyphomycetes usingDNA sequences date back almost two decades
(Nikolcheva & Bärlocher, 2002): complete sequencing of 18S rDNA regions of 5
representative species of the genus Tetracladium supported that they are part of a
monophyletic group, as suggested by morphology-based taxonomy. The comparison
based on 18S rDNA and other rDNA sequences confirmed the polyphyletic origin
of aquatic hyphomycetes (Baschien et al., 2006, 2013; Belliveau & Bärlocher, 2005;
Campbell et al., 2006, 2009).Moreover, phylogenetic studies allow the establishment
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of anamorphs and teleomorphs connections of aquatic hyphomycetes (e.g., anamorph
Jaculispora submersa and teleomorphClassicula fluitans; Bauer et al., 2003), provide
evidence for their occurrence in several ecological niches (Seena & Monroy, 2016)
and show relatives of terrestrial origin (Baschien et al., 2013).

9.2.4 Leaf Litter Associated Microbial Communities

Molecular characterization of the fungal community on decomposing leaves in
streams began with terminal restriction fragment length polymorphism (T-RFLP)
and denaturing gradient gel electrophoresis (DGGE) targeting a section of 18S rRNA
(Nikolcheva et al., 2003). It was concluded that species richness and community
evenness decreased with the advancement of litter decomposition, probably due to
an increase in substrates homogeneity and a decrease in the nutritional value of
the substrate. Moreover, ITS primers with enhanced specificity for particular fungal
groups, revealed strikingly high fungal diversity on leaf litter compared to that found
based on spore morphology (Nikolcheva & Bärlocher, 2004). Additionally, these
analyses showed a clear fungal succession pattern during plant litter decomposition:
the role of terrestrial fungi tends to decrease after few days of plant litter entering in
streams, while the contribution of aquatic hyphomycetes progressively increases.

The diversity of microbial decomposers in specific habitats and the contribution
of different microbial groups to plant litter decomposition have been also addressed.
Clone libraries were successfully used to determine fungal diversity in hyporheic
zones (Bärlocher et al., 2008) and on decomposing leaf litter (Seena et al., 2008).
The relative amount ofDNAofArchaea, Bacteria and Fungi during decomposition of
leaf litter was assessed for the first-time using quantitative polymerase chain reaction
(qPCR) (Manerkar et al., 2008).Moreover, Das and collaborators (2007) were able to
uncover the phylotypes associated with actinomycetes on decomposing leaves. The
dynamics of yeast populations associated with decomposing leaves have rarely been
investigated (but see Sampaio et al., 2004, 2007). Further research has addressed
shifts in the structure of fungal, bacterial and ciliate communities associated with
plant litter of different species alone or in mixtures using DGGE (Fernandes et al.,
2013), but most studies have focused on assessing the shifts in fungal and bacterial
communities under exposure to several anthropogenic stressors (e.g., metals, Duarte
et al., 2008; eutrophication, Duarte et al., 2009; nanoparticles, Pradhan et al., 2011;
Chapters 16, 17, 18).

More recently, metabarcoding, an outcome of the fusion of DNA barcoding with
high-throughput or next-generation sequencing (HTS or NGS), has become one of
the most relevant tools in biodiversity assessment. By using this method, the genetic
diversity of microbial communities can be acquired at a high-resolution scale (e.g.,
Duarte et al., 2015; Seena et al., 2019a). Pyrosequencing was used to characterize
fungal communities on leaves and particulate organic matter by targeting the 18S
ribosomal gene region (Wurzbacher et al., 2015) or the ITS gene region (Duarte et al.,
2015). Both studies revealed a very high fungal diversity even under eutrophication
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(Duarte et al., 2015). Further, Duarte et al. (2017) suggested that larger leaf areas
tended to harbor amore diverse and active fungal community, as revealed by Illumina
MiSeq analysis based on ITS region from RNA.

9.2.5 Microbial Biomass Accrual and Reproduction

Traditionally, fungal activity has been assessed by measuring biomass build-up and
reproduction on decomposing leaves. Fungal biomass on leaf litter is difficult to
determine since fungal hyphae penetrate the substrate they are decomposing. To
overcome this problem, ergosterol, a fungal membrane constituent (not present in
bacteria or plant material) that suffers rapid oxidation after cell death, has been used
as a measure of living fungal biomass on leaves (Gessner &Newell, 2002). However,
some studies showed that ergosterol could persist at appreciable concentrations and
for a considerable time in the absence of living fungi (Mille-Lindblom et al., 2004).
Moreover, the mycelial ergosterol concentration can vary with the fungal species
(Gessner & Chauvet, 1993), their nutritional status (Charcosset & Chauvet, 2001),
growth phase (Barajas-Aceves et al., 2002) and/or the presence of stressors (e.g.,
fungicide zineb, Barajas-Aceves et al., 2002; fungicide tebuconazole, Baudy et al.,
2020). In addition, ergosterol is unable to distinguish individual species biomass in
a complex community. Despite these limitations, ergosterol is still the most widely
used fungal biomass indicator today (e.g., Bergmann&Graça, 2020; Pimentão et al.,
2020).

In aquatic hyphomycetes, a significant proportion of carbon is used in the forma-
tion of conidia, which are released from fungi on decomposing leaves (Gessner &
Chauvet, 1997; Suberkropp, 1991). Sporulation by aquatic hyphomycetes can be
induced by incubating pure cultures or naturally-colonized plant substrates in deion-
ized water or filtered stream water under aeration (Bärlocher, 2020). By identifying
and counting these conidia, sporulation rates canbe estimated, and so the reproductive
potential of individual fungal species (Bärlocher, 1982, 2009). Fungal reproduction is
very sensitive to a panoply of abiotic and biotic factors, such as nutrient concentration
in water (Abelho & Graça, 2006; Gulis & Suberkropp, 2004), temperature (Chauvet
& Suberkropp, 1998; Fernandes et al., 2009; Suberkropp, 1984), pollutants (Pereira
et al., 2016; Pradhan et al., 2011; Sridhar & Bärlocher, 2011), oxygen concentra-
tion (Medeiros et al., 2009), current velocity (Ferreira & Graça, 2006), litter quality
(Fernandes et al., 2012; Pérez et al., 2014), or fungal species competitive interac-
tions (Treton et al., 2004). Fungal reproduction is frequently one of themost sensitive
parameters to stressors (e.g., metals, Duarte et al., 2008; eutrophication, Duarte et al.,
2009; nanomaterials, Pradhan et al., 2011), making aquatic hyphomycetes potential
bioindicators of anthropogenic stress (Solé et al., 2008).

Since bacteria are also important players in the decomposition of plant litter in
streams and rivers (Baldy et al., 1995; Duarte et al., 2010), it is important to accu-
rately assess their abundance and biomass. The commonly used approach to obtain
such estimates is to detach bacterial from plant litter by sonication, pass the bacterial
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suspension through a membrane filter, stain the trapped cells with a fluorescent dye
and count them under an epifluorescence microscope (Buesing & Gessner, 2020).
This technique presents limitations, namely observer bias, requiring strictly standard-
ized counting procedures and thorough cross-calibration among individuals to ensure
reproducible results, and it is extremely time-consuming (Frossard et al., 2016). An
alternative to epifluorescence microscopy is flow cytometry (Frossard et al., 2016).
This technique has been successfully used to assess bacterial biomass associated
with decomposing plant litter after chronic exposure to silver nanoparticles (Batista
et al., 2020; Tlili et al., 2017) and to compare the effects of litter quality and litter
standing stocks on microbial biomass associated with decomposing litter (Frossard
et al., 2013). Nevertheless, information on cell size and shape, which can be obtained
by epifluorescence microscopy, is mostly lost when using flow cytometry (Frossard
et al., 2016).

A limitation of the above described methods to asses microbial biomass accrual
is the difficulty in discriminating between living and non-living microbial biomass.
A more dynamic measure of microbial activity can be given by estimating fungal
or bacterial productivity, from incorporation rates of radioactive labelled acetate or
leucine into ergosterol or protein, respectively (Baldy et al., 1995; Pascoal & Cássio,
2004; Suberkropp et al., 2020), that reflect the specific fungal or bacterial growth rate
on leaf litter. This has permitted us to conclude that fungal production representsmore
than 90% of the total microbial production (Baldy et al., 1995; Pascoal & Cássio,
2004), supporting a major role of fungi in leaf litter decomposition in streams, at
least during the first stages of the process.

ATP is present in living cells and disappears rapidly in dead cells. The ease of
ATP measurement has fostered its use as an indicator of living and active microbial
biomass associated with decomposing leaves in streams (Abelho, 2020, 2009; Sales
et al., 2015; Suberkropp, 1991). A limitation of this technique is the inability to
discriminate between microbial communities (e.g., fungi, bacteria, protists).

9.2.6 Catabolic Reactions and Enzymatic Activity

Community respiration is ameasure of biological activity, reflecting themicrobial use
of organic matter and, therefore, the functional significance of microbes in decom-
position (Graça & Abelho, 2020). Respiration rates of microorganisms associated
with decomposing leaves are generally determined by measuring oxygen consump-
tion (e.g., Carlisle & Clements, 2005; Stelzer et al., 2003). Alternatively, microbial
respiration can be measured using the MicroResp™ method (Tlili et al., 2017), a
colorimetric assay based on the color change of a pH indicator dye caused by the
release of CO2 by heterotrophic communities.

Another measure of microbial activity on plant litter can be obtained by deter-
mining extracellular enzymatic activities (Romaní et al., 2006). This can be done
by incubating decomposing plant litter with fluorescent-linked artificial substrates,
specific for each enzyme (Romaní et al., 2006). In a study comparing growth and
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patterns of degradative enzymes expressed by communities of bacteria and fungi
grown separately and in coexistence, enzyme activities were in general low when
bacteria grew alone, and the activity of key enzymes in the degradation of lignin and
cellulose was undetectable, while fungi growing alone had a high capacity for the
decomposition of lignin, cellulose and hemicelluloses (Romaní et al., 2006). Most
studies, however, measure the overall enzyme activity that does not discriminate
fungal and bacterial contribution (Artigas et al., 2012; Mora-Gómez et al., 2020).

9.2.7 Discriminating Individual Species Performances
Within Communities

Discriminating the growth of individual fungal or bacterial species within a commu-
nity is still a challenge but is critical to better understand the role of microbial decom-
posers diversity in maintaining ecological processes. Monoclonal antibodies were
used in several assays, such as the enzyme-linked immunosorbent assay (ELISA),
which allows the identification and quantification of mycelium, and immunofluo-
rescence (IMF) for visualization of mycelium on leaf material (Bermingham et al.,
1995, 2001). This allowed the identification and biomass quantification of Anguil-
lospora longissima, Alatospora acuminata, T. marchalianum and N. lugdunensis
(Bermingham et al., 1995, 2001).

Fluorescent in situ hybridization (FISH) can be an alternative to monoclonal anti-
bodies. It uses short DNA sequences provided with a fluorescent tag complementary
to the taxon of interest (Baschien et al., 2001; McArthur et al., 2001). However, the
autofluorescence of hyphae and colonized substrates, and the weak probe-conferred
signals due to lowprobe permeabilizationmay lead to confounding results (Baschien,
2003).

DNA-based quantitative stable isotope probing (qSIP) can identify growing
microorganisms in environmental samples (Hayer et al., 2016; Hungate et al., 2015).
Briefly, organisms are exposed to an isotopically-labelled substrate and those that
assimilate the substrate incorporate the isotope into their DNA, increasing their
buoyant density (Hayer et al., 2016). The heavy DNA can be separated from non-
labelled DNA through isopycnic centrifugation and analyzed, using metabarcoding
and qPCR, to identify growing microorganisms (Hayer et al., 2016). Using this tech-
nique, Hayer and collaborators (2016) showed that a large proportion of the bacterial
taxa associated with decomposing leaf litter grew slowly, and several less abundant
taxa were highly frequent, indicating that rare organisms may be important for the
decomposition of leaf litter in streams.

The relative intensity of each band (phylotype) in DGGE gels can give semi-
quantitative estimates of the relative biomass of each fungal species within the
community (Nikolcheva & Bärlocher, 2005). However, caution is needed since tech-
niques relying on PCR like DGGE, can be biased because of preferential amplifica-
tion (Kanagawa, 2003). PCR can be limited by inhibitors of the polymerase reaction,
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reagent limitation, or accumulation of pyrophosphate molecules, being the reaction
no longer at an exponential rate and so generating more products in some reactions
than in others (Ginzinger, 2002).

The qPCR technique allows measurements of the amount of PCR product when
the reaction is still at the exponential phase, by determining a fluorescence signal
threshold at which all samples can be compared (Ginzinger, 2002). The fractional
number of PCR cycles required to generate enough fluorescent signal to reach the
threshold (Ct value) is directly proportionate to the amount of starting template
(Ginzinger, 2002), allowing accurate quantification of species DNA. The qPCR was
successfully used to discriminate the relative abundance of specificmicrobial groups,
Archaea, Bacteria, and Fungi on leaves decomposing in streams (Manerkar et al.,
2008) or bacterial and archaeal ammonia oxidizers and nitrogen-fixing bacteria in leaf
and sediment samples (Rico et al., 2014). Also, qPCR allowed explaining the putative
mechanisms underlying biodiversity effects on leaf decomposition under stress by
discriminating the contribution of different aquatic hyphomycete ecotypes to the total
fungal biomass produced in multicultures (Fernandes et al., 2011). This approach
allowed evidencing the importance of species traits inmodulating biodiversity effects
under stress (Fernandes et al., 2011). The expression profiles of the functional marker
gene also helped to discriminate ecotypes from polluted and nonpolluted habitats
(Seena et al., 2020).

Recently, TaqMan® probe-based qPCR assays targeting aquatic hyphomycete
species common in temperate regions were designed and validated to detect and
quantify species within communities (Baudy et al., 2019; Feckler et al., 2017). In
addition, qPCR-obtained DNA levels showed a positive correlation with ergosterol
concentrations, confirming that DNA levels are a suitable species-specific biomass
proxy (Baudy et al., 2019). However, aquatic hyphomycetes DNA concentrations
were found to vary upon exposure to the fungicide tebuconazole (Baudy et al., 2020).
This highlights the need to further develop and test this technique to assess its reli-
ability to accurately disentangle single species contribution to the overall commu-
nity biomass. Nevertheless, molecular techniques open new avenues to gain deeper
insights into the ecological role of aquatic hyphomycetes and other microorganisms
in freshwaters and to address biodiversity and ecosystem functioning relationships
(Baudy et al., 2019; Fernandes et al., 2011).

9.3 Microbial Metabolism and Stoichiometry

Microbial decomposers use the substrate they are inhabiting (e.g., leaf litter) leading
to large changes in resource chemical quality through time accompanied by a progres-
sive disappearance of their growth substrate (Suberkropp et al., 1976). Moreover,
aquatic microbial communities can acquire nutrients and carbon both from their
decomposing substrate and from the water, either in dissolved organic or mineral
forms (Cheever et al., 2012). Therefore, the microbial decomposer´s metabolism is
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largely dependent on detrital resources availability and quality and on the physical
and chemical characteristics of their surrounding environment.

9.3.1 Carbon Quality and Priming Effect on Litter
Decomposition

While most stoichiometric studies have considered carbon as a single pool, carbon
quality has long been acknowledged as a factor modulating leaf litter decompo-
sition. The abundance of lignin, in particular, has been shown as a major factor
regulating microbial decomposition (Fernandes et al., 2012; Melillo et al., 1982).
For example, the nutrient demand of microorganisms for ensuring leaf litter decom-
position depends largely upon carbon recalcitrance, indicating that in nature, nutrient
limitations of microbial growth might occur at different nutrient levels depending on
the carbon quality of litter (Sinsabaugh & Follstad Shah, 2011). Considering carbon
recalcitrance into stoichiometric investigation would permit us to refine stoichio-
metric predictions about microbial decomposer´s activity and the consequences for
ecosystem functioning (including carbon respiration and nutrient remineralization).
In particular, splitting leaf litter carbon into distinct pools of different quality permits
to consider that, in some specific cases, leaf litter decomposers might be limited by
the availability of labile carbon. Stimulatory effects of labile carbon inputs (e.g.,
through the release of algal exudates) on leaf litter decomposition have been shown
in several studies (Danger et al., 2013; Kuehn et al., 2014; Pope et al., 2020), a
process called aquatic priming effect (Guenet et al., 2010). These labile carbon addi-
tions can also result in opposite trends, i.e., reductions in leaf litter decomposition
due to shifts in carbon substrate use (Halvorson et al., 2019). To date, the influence
of microbial community structure on priming effect occurrence and intensity has
not been deeply investigated. Yet, microbial diversity involving different microor-
ganisms with distinct traits seems to control this phenomenon in soils (Fontaine
& Barot, 2005). Thus, a better understanding of leaf litter decomposition budgets
should include information on the links between microbial diversity and the relative
availability of different carbon sources in water and leaf litter.

9.3.2 Microbial Leaf Litter Decomposition Budgets

Microbial leaf litter decomposition budgets confirm that aquatic fungi are the main
microbial contributors to leafmass loss in freshwaters (Baldy et al., 1995;Komínková
et al., 2000; Suberkropp, 1991). Laboratory studies have shown that fungal growth
efficiency (i.e., the proportion of leaf organic matter assimilated by fungi channelled
for biomass and conidial production) ranged from 24 to 46% (35% on average),
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with the remaining assimilated matter being respired. Based on such growth effi-
ciency values, aquatic fungi can account for 42 to 65% of the overall carbon loss
from leaf litter of diverse deciduous tree species during elevated fungal activity
(Baldy et al., 1995; Gessner & Chauvet, 1997). Nevertheless, such budgets might be
largely impacted by environmental conditions, such as nutrient availability (Gulis &
Suberkropp, 2003; Pascoal & Cássio, 2004; Pascoal et al., 2005).

Since leaf litter is generally a nutrient-poor but carbon-rich substrate, microbial
decomposers’ activity is often considered as nutrient limited in stream ecosystems
(Cross et al., 2005; Enríquez et al., 1993; Güsewell & Gessner, 2009). Elevated
nutrient availabilities have thus long been associatedwith fast microbial litter decom-
position. For example, litter rich in nitrogen (N) or phosphorus (P) has been shown
to decompose faster than litter exhibiting lower N or P concentrations (Hladyz et al.,
2009; Melillo et al., 1982). Similarly, most laboratory (e.g., Gulis et al., 2017) or
field studies on nutrient enrichment have shown a stimulatory effect of dissolved N
and/or P concentrations (see Ferreira et al., 2015 for ameta-analysis; Rosemond et al.,
2015). Overall microbial decomposer activity increases asymptotically (Michaelis–
Menten kinetics) with N or P concentrations (0.09 < N-NO3 < 3.5 mg L−1) (Ferreira
et al., 2006; Gulis et al., 2006; Fernandes et al., 2014). This stimulatory effect of
nutrients is modulated by litter recalcitrance, with an increase in dissolved N from
0.1 to 3.0 mg N L−1 accelerating the decomposition of lignin-poor litter (e.g., < 10%
of lignin, 2.9 × increase) more strongly than that of litter rich in lignin (e.g., >
15% of lignin, 1.4 × increase) (Jabiol et al., 2019). The response to nutrient enrich-
ment might also differ between groups of microbial decomposers. For example,
fungal biomass, but not necessarily diversity, tends to increase from the most olig-
otrophic to moderate eutrophic streams and decrease under hypertrophic conditions
(Duarte et al., 2009; Dunck et al., 2015; Pascoal & Cássio, 2004; Pereira et al.,
2016). In contrast, bacterial biomass increases monotonically from oligotrophic to
hypertrophic streams (Duarte et al., 2009; Pascoal et al., 2005). Moreover, higher
temperatures appear to reduce litter recalcitrance (lignin) effects on microbes that
mediated litter decomposition (Fernandes et al., 2012). Future research on micro-
bial diversity responses to nutrients (see Sect. 9.5. below) might permit to identify
nutrient preferences of the different taxa, and ultimately help to predict the responses
of leaf litter decomposition to nutrient variations in ecosystems.

9.3.3 Microbial Stoichiometry and Carbon-Use Efficiency

One convenient way to predict microbial decomposer´s responses to nutrient avail-
ability is the ecological stoichiometry framework. Ecological stoichiometry specif-
ically investigates consumers elemental requirements (generally focusing on their
C:N:P ratios) and the relative availability of the same elements in their resources (see
Chapter 3, for further details). The intensity of elemental imbalance permits to esti-
matewhich element limits consumers’ activity aswell as the functional consequences
in terms of nutrient recycling (Sterner & Elser, 2002). To optimally decompose leaf



174 C. Pascoal et al.

litter, microorganisms must balance their carbon and nutrient acquisition with their
stoichiometric requirements. Both bacteria and fungi have been shown to be non-
homeostatic, at least at the community level (Danger et al., 2008), i.e., microbial
biomass exhibit variable elemental composition (Danger et al., 2016). While stoi-
chiometric data are still scarce for aquatic fungi, the few available results suggest
differences between the elemental plasticity of different fungal strains (Danger &
Chauvet, 2013). For example, in P-depleted liquid cultures, Lemonniera terrestris
reached higher C:P ratios than Articulospora tetracladia and Tricladium chaeto-
cladium (Danger & Chauvet, 2013). However, on average, microbial decomposers
have lower and less variable carbon-to-nutrient ratios than what can be found in
the substrates they colonize (Cleveland & Liptzin, 2007; Manzoni et al., 2010;
Sardans et al., 2012). In addition, bacteria have lower carbon-to-nutrient ratios than
fungi, which renders bacteria more susceptible to nutrient limitations than fungi.
Conversely, fungi generally have higher carbon demand and are able to decompose
detritus with higher carbon-to-nutrient ratios than bacteria (Keiblinger et al., 2010).

Carbon Use Efficiency (CUE) corresponds to the ratio of microbial growth to
total microbial carbon assimilation (i.e., including microbial respiration) and gives
information on the conversion efficiency of detritus into microbial biomass as well as
indications on the potential carbon storage in ecosystems (Sinsabaugh et al., 2013).
CUE can bemodeled from the C:N:P ratios of decomposingmaterial (Manzoni et al.,
2010). The application of such models demonstrated that decomposers could adapt
to low-nutrient conditions by reducing their CUE.

An alternative way to investigate nutrient effects on microbial activity is to search
for optimal stoichiometric ratios, i.e., nutrient ratios that willmaximize their develop-
ment and/or activity. For other groups, likemetazoans, these ratios can be approached
for each taxon by evaluating their Threshold Elemental Ratios (TER) that corre-
spond to the ratios at which limitation shifts from one element to another (Frost
et al., 2006). The large immobilization capacities of microorganisms complexify
this approach. Immobilization allows microorganisms to balance their nutrient and
carbon requirements even for extremely nutrient-poor substrates (Sinsabaugh et al.,
2013). Several studies investigated microbial stoichiometric requirements in terres-
trial contexts (e.g., Mooshammer et al., 2014), far less in aquatic ecosystems. For
aquatic microbial communities, dissolved N:P ratios maximizing cellulose decom-
position varied from 1.7 to 45 depending on the overall nutrient supply (Güsewell &
Gessner, 2009). The next step for better understanding the mechanisms at play would
involve investigating microbial taxa independently; however, most approaches are
generally carried out with complex microbial communities (often including fungi
and bacteria).
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9.4 Substrate Diversity and Quality for Microbial
Decomposers

Microbial decomposers are likely to be sensitive to the benthic litter standing stock’s
characteristics, which reflects the type of riparian vegetation. It could be anticipated
that higher diversity of riparian trees (major contributors to litter inputs in forest
streams), and consequently, of benthic organic matter, would support a higher diver-
sity of aquatic microbes (‘niche complementarity hypothesis’). Positive correlations
have been found between aquatic hyphomycete species richness in stream water and
benthic leaf litter species richness (Laitung & Chauvet, 2005; Lecerf et al., 2005)
or riparian tree species richness (Ferreira et al., 2016; Rajashekhar & Kaveriappa,
2003) in undisturbed streams. Similar positive relationships have been found between
aquatic hyphomycete conidium concentration in stream water and benthic leaf litter
species richness and amount (Ferreira et al., 2016; Laitung et al., 2002).

Human-mediated decreases in riparian tree diversity may have adverse effects on
aquatic hyphomycete diversity. Aquatic hyphomycete species richness associated
with decomposing oak (Quercus robur) leaves was lower in streams flowing through
commercial beech (Fagus sylvatica) forests than in streams flowing through mixed
deciduous forests in southwestern France (Lecerf et al., 2005). In central Portugal,
aquatic hyphomycete species richness in stream water and associated with decom-
posing alder (Alnus glutinosa) and oak leaveswas lower in streams in eucalypt (Euca-
lyptus globulus) monocultures than in streams in mixed deciduous forests (Bärlocher
& Graça, 2002; Ferreira et al., 2006). In the Azores islands, aquatic hyphomycete
species richness associated with decomposing holly (Ilex perado) leaves was lower
in streams in cryptomeria (Crypromeria japonica) monocultures than in streamswith
native laurel forests (Ferreira et al., 2017). However, the replacement of native forests
by tree plantations not always led to decreases in aquatic hyphomycete species rich-
ness if a riparian strip of native tree species is maintained or native tree species are
allowed to growwithin the plantation, thus ensuring a diverse litter input to streams. In
northern Spain, aquatic hyphomycete species richness associated with decomposing
alder and pine (Pinus radiata) leaves did not significantly differ between streams
in deciduous forests and pine plantations, where a riparian strip of native species is
maintained (Martínez et al., 2013). Also, in northern Spain, the humid climate allows
for the development of an understory of native species in eucalypt plantations; thus,
aquatic hyphomycete species richness associated with decomposing leaves did not
significantly differ between streams in deciduous forests and those in plantations
(Chauvet et al., 1997), or it was even higher in the latter streams (Ferreira et al.,
2006).

It could also be expected that higher amounts of benthic litter standing stocks could
support higher aquatic hyphomycete species richness and biomass (‘productivity
hypothesis’). Indeed, higher species richness and reproductive output (i.e., conidium
production) have been found where the amount of benthic organic matter is high
(Ferreira et al., 2016; Laitung et al., 2002).
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Aquatic hyphomycete species richness and community composition also vary
with the identity and type of decomposing organic matter since different leaf species
and plant parts (e.g., leaves vs. woody substrates) differ in physical and chemical
characteristics. Although aquatic hyphomycete species are not apparently excluded
from any particular substrate, they seem to have substrate preferences (Canhoto &
Graça, 1996; Chauvet et al., 1997; Gulis, 2001; Ferreira et al., 2006; Ferreira &
Graça, 2016) likely driven by differences in toughness, nutrient concentration and
concentration of structural and secondary compounds among substrates. In a given
stream, aquatic hyphomycete species richness is generally lower onwoody substrates
and conifer needles than on deciduous leaves (Ferreira et al., 2006, 2017; Gonçalves
et al., 2007; Martínez et al., 2013), which can be attributed to the higher toughness
and lignin:nutrients ratio of the former litter types than of leaves. Differences in the
aquatic hyphomycete species richness and community composition may also occur
among deciduous leaf species, although these are generally smaller than between
leaves and woody substrates (Canhoto & Graça, 1996; Ferreira & Graça, 2016;
Gonçalves et al., 2013; Gulis, 2001).

Plant-litter decomposition also varies with the substrate diversity: a compilation
of manipulative studies showed that 44% of litter mixtures decomposed faster than
predicted from the sum of single litter species and 39%of litter mixtures decomposed
slower than expected from individual species decomposition (Lecerf et al., 2011).
Moreover, effects of leaf-litter quality and diversity on stream ecosystem functioning
may vary with the environmental context: synergistic effects of leaf species number
on leaf decompositionwere found in oligotrophic but not in eutrophic streams (Lima-
Fernandes et al., 2015). This suggests that oligotrophic streams are more dependent
on the number of leaf species than eutrophic streams. If so, riparian plant diversity
should be preserved in oligotrophic systems to maintain leaf-litter decomposition.
On the other hand, the positive effects of leaf-litter quality (leaf N) on leaf-litter
decomposition were strengthened by moderate increases in nutrient concentrations
in the stream water (Lima-Fernandes et al., 2015), suggesting that leaf-litter decom-
position depends more on the quality than the number of leaf species in eutrophic
streams. These findings support that eutrophication modulates leaf diversity effects
on leaf decomposition with potential implications for ecosystem management.

9.5 Microbial Diversity and Litter Decomposition Under
Global Change

Many factors regulating microbial diversity and their ecological functions are
currently affected by human activities. Such impacts can occur at large spatial scales
and represent an important component of human-induced global change. Examples
include increases in the concentration of dissolved nutrients in stream water, as a
result of atmospheric nitrogen deposition and agriculture; increase in water tempera-
ture resulting from global warming, removal of riparian vegetation and urbanization;
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impoverishment and homogenization of the riparian vegetation, as a result from tree
monocultures and invasions by exotic species; water stress as a result from increases
in human needs for freshwater and decreases in precipitation; and contamination
by pharmaceuticals, agrochemicals, healthcare products, nanoparticles and plastics.
This non-exhaustive list of changes has been addressed in other chapters of this book.
Here, we will focus on the effects of increases in the concentration of dissolved
nutrients and water temperature, two of the most widespread environmental changes
(Woodward et al., 2012; IPCC, 2014).

The number of aquatic hyphomycete species in stream water and associated
with decomposing leaf litter on a given sampling date is generally higher under
moderate nutrient enrichment (Ferreira et al., 2006; Gulis & Suberkropp, 2003,
2004), which can be explained by the increased availability of resources (i.e., nutri-
ents) not yet confounded by deleterious changes (e.g., sedimentation, pesticides,
hypoxia) (‘productivity hypothesis’ and ‘intermediate stress hypothesis’). Nutrient
enrichment of stream water can also result in changes in the relative contribution of
aquatic hyphomycete species to conidial production, although it is difficult to asso-
ciate a given species to a given nutrient status across studies (Artigas et al., 2008;
Ferreira et al., 2006; Gulis & Suberkropp, 2003, 2004). The reproductive poten-
tial of individual fungal species (based on conidia numbers) may also change with
nutrient enrichment, with some species being over benefited by increased resource
availability (Gulis & Suberkropp, 2003). Since aquatic hyphomycete species have
different decomposing capability and palatability to shredders, changes in species
richness and relative abundancemay affect litter decomposition. Indeed, litter decom-
position is generally higher undermoderate nutrient enrichment (Ferreira et al., 2015;
Gulis & Suberkropp, 2003; Gulis et al., 2019; Rosemond et al., 2015; Woodward
et al., 2012), but this is more likely attributed to stimulated microbial activities
than to changes in aquatic hyphomycete species richness or community composition
(Ferreira, 2020; Chapter 16).

In laboratory experiments, increases in temperature by 5ºC (with maximum
temperature ≤ 15ºC) led to changes in aquatic hyphomycete community structure
associated with decomposing alder leaves (Dang et al., 2009; Ferreira & Chauvet,
2011a, b). On the contrary, an increase in temperature from 16ºC to 24ºC generally
led to decreases in aquatic hyphomycete species richness and shifts in species domi-
nance (Fernandes et al., 2012). Similarly, Gonçalves and collaborators (2013) found
higher aquatic hyphomycete species richness associated with alder and oak leaves at
10ºC than at colder (5ºC) or warmer (15ºC and 20ºC) temperatures. Also, increases
in temperature induced changes in the species dominance pattern. Moreover, aquatic
hyphomycete community structure responded to temperature more strongly on alder
than on oak; however, they were affected first by litter species (resource quality) and
then by temperature (Gonçalves et al., 2013).

In a manipulative experiment in a springbrook in a mixed forest in Canada, a
4ºC temperature increase led to a rise in aquatic hyphomycete species richness on
leaf litter, but not on other substrate types (e.g., needles, grass and wood) (Bärlocher
et al., 2008). In a similar experiment in a forest stream in central Portugal, a ~
3ºC temperature increase did not change aquatic hyphomycetes species richness
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or community structure associated with oak and chestnut (Castanea sativa) leaves
during winter (Ferreira et al., 2015). Additionally, season (spring vs. autumn) played
a greater role in structuring aquatic hyphomycete communities associated with oak
leaves than experimental warming (Duarte et al., 2016). This suggests that the major
factor structuring aquatic hyphomycete communities may not be temperature, but
other seasonally changing factors, such as substrate availability (Gossiaux et al.,
2019). However, on the global scale, water temperature has been described as the
prime factor ruling aquatic hyphomycete community composition associated with
alder leaf litter, independently of biogeographic realms (Seena et al., 2019a).

Different effects of warming on aquatic hyphomycete communities may partially
depend on community composition. Aquatic hyphomycete species have distinct
thermal preferences, with thermal optimum generally between 10–30ºC across
species (reviewed by Ferreira et al., 2014). Effects may also depend on the ambient
water temperature and the magnitude of the increase. Increases in water temperature
when the ambient temperature is already high (>15ºC) may have more severe effects
than when the ambient temperature is low (<15ºC) since species may be already near
their thermal optimum (Ferreira et al., 2014).

Increases in temperature have been found to stimulate litter decomposition (Amani
et al., 2019; Boyero et al., 2011), but, as for nutrient enrichment, effects of warming
are likely mediated by stimulation of microbial activities than by changes in species
richness and community structure (Ferreira, 2020).

9.6 Functional Consequences of Microbial Biodiversity
Loss

Over the last two centuries, the intensification of human activities on our planet has
led to a massive species extinction (Chapin III et al., 2000), with freshwaters being
one of the most endangered ecosystems (Dudgeon et al., 2006). This has motivated
a bloom of studies on the relationship between biodiversity and ecosystem func-
tioning (BEF, Hooper et al., 2012). BEF research has focused primarily on terrestrial
ecosystems, while aquatic ecosystems have received increased attention only over
the last decade; BEF studies focusing on microbial communities are even scarcer
(Daam et al., 2019; Pascoal & Cássio, 2008). Traditionally, species richness has
been used as a biodiversity measure in BEF studies targeting microbial decomposer
communities (e.g., Bärlocher & Corkum, 2003; Duarte et al., 2006; Pascoal et al.,
2010). Studies in which aquatic hyphomycete species were manipulated point to
a positive relationship between fungal diversity and leaf decomposition (Bärlocher
& Corkum, 2003; Duarte et al., 2006; Fernandes et al., 2011; Pascoal et al., 2010;
Raviraja et al., 2006; Treton et al., 2004). Conversely, other studies failed to detect
the effects of fungal diversity on leaf mass loss, pointing to considerable functional
redundancy among fungi (Andrade et al., 2016; Dang et al., 2005; Geraldes et al.,
2012). However, such studies showed that higher diversity decreases the variability of
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process rates, probably increasing ecosystem stability (portfolio effect or statistical
average effect, see Doak et al., 1998). Fungal diversity had positive effects on other
microbial functions such as fungal reproduction (Geraldes et al., 2012) or biomass
build-up (Andrade et al., 2016), despite having no effect on leaf decomposition,
supporting the importance of considering multiple functions when addressing BEF
relationships. In addition, diversity effects of aquatic fungi have also been attributed
to species identity, indicating that certain species´ traits may have a greater impact
on ecosystem processes than species diversity per se (reviewed in Pascoal & Cássio,
2008). Actually, the structure and function of leaf-associated microorganisms can be
decoupled under anthropogenic pressure: microbially-mediated leaf litter decompo-
sition remaining stable, increasing or exhibiting a U-shaped response as structural
metrics (e.g., taxonomic diversity) change gradually (Feckler & Bundschuh, 2020).

Few studies have addressed other biodiversity measures, like intraspecific diver-
sity considering species background (polluted vs. unpolluted stream) (Duarte et al.,
2019; Fernandes et al., 2011) or genetic diversity based on species genetic diver-
gence of the ITS1-5.8S-ITS2 rRNA genes (Andrade et al., 2016). Fernandes et al.
(2011) demonstrated that positive diversity effects were maintained under metal
stress when an ecotype (fungal strain from one species which is adapted to specific
environmental conditions) of the worldwide distributed species A. tetracladia from
a metal-polluted site was incorporated in the assemblage, but these effects were lost
when it was replaced by the other ecotype from an unpolluted site. Species or strains
that have a redundant role in an ecological process may exhibit noticeable traits
when exposed to different environmental contexts (Fernandes et al., 2011). Different
environmental contexts have been shown to modulate the impacts of fungal diversity
on litter decomposition or decomposer´s activity (nutrients, Bärlocher & Corkum,
2003; metal stress, Pascoal et al., 2010; Fernandes et al., 2011; Duarte et al., 2019;
warming, Geraldes et al., 2012).

Diversity effects can result frommechanismsof complementarity and/or selection,
whose relative contribution can be quantified if individual species performances in
multicultures are determined (partitioningmodel, Loreau&Hector, 2001). However,
most studies examining the relationships between microbial diversity and ecological
processes have been limited by difficulties in tracking individual species perfor-
mances within assemblages (e.g., Bärlocher & Corkum, 2003; Duarte et al., 2006).
For instance, Fernandes et al. (2011) successfully determined the contribution of
each fungal species to the total biomass produced in multicultures by qPCR. In the
absence of metal, positive diversity effects were observed for fungal biomass and
leaf decomposition as a result of species complementarity; but, under metal stress,
the dominance effect maintained positive diversity effects in assemblages containing
the ecotype from the metal-polluted site (Fernandes et al., 2011).
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9.7 Outlook

Although the role microbial decomposers play in aquatic detritus-based food webs
is acknowledged, there are still gaps that need to be further addressed. Freshwater
systems harbor highmicrobial diversity (Schloss et al., 2016), but data are still scarce
compared to other organisms (Balian et al., 2008; Debroas et al., 2017). This lack
of knowledge about microbial diversity has limited our deeper understanding of the
role that microbial decomposers play in ensuring several ecosystem services, such
as nutrient recycling, water purification and carbon sequestration (Ducklow, 2008).

Several gaps that need to be clarified on the relationships between biodiversity and
ecosystem functioning in aquatic systems have been identified (Daam et al., 2019)
and should be considered when envisaging the functional role of aquatic microbial
decomposer´s diversity, namely: (i) looking at multiple ecosystem functions, (ii)
studying the role of rare species and focusing on realistic species losses; (iii) inte-
grating different biodiversitymetrics (intraspecific diversity, genetic diversity, phylo-
genetic diversity), (iv) integrating various trophic components (taxonomic groups,
trophic composition, trophic interactions), (v) testing different environmental condi-
tions, (vi) targeting larger spatial and temporal scales, (vii) integrating trait-based
approaches, and (viii) applying ecological modelling to BEF relationships.

Nowadays, relevant advances to unravel microbial diversity are associated with
metabarcoding or environmental DNA techniques. DNA sequencing of environ-
mental samples is increasing in public databases (e.g., NCBI), which facilitate
the knowledge of microbial diversity. Moreover, omics are a relevant approach to
discover functional traits that can help to explain microbial functional diversity.
Further links have to be established between taxonomic, genetic and functional diver-
sity, particularly if we aim to understand how microbial decomposer communities
and plant litter decomposition respond tomultiple threats derived from global change
(Fig. 9.2), such as warming, drought events, eutrophication, persistent and emergent
contaminants. Some data already exist on the role of fungal ecotypes to maintain
ecological functions under stress (e.g., metal stress, Fernandes et al., 2011) and the
biological mechanisms underlying stress responses based on proteomics (e.g., metal
nanoparticles, Barros et al., 2020). These data suggest that microbial populations
and communities can adapt to stressors following the pollution-induced community
tolerance (Tlili et al., 2016). It is conceivable that in nature, these microbes may be
able to evolve at relatively short times due to their high replication time. So, they can
be crucial to ensure multiple ecosystem functions and services under the ongoing
global change (Fig. 9.2).

Another important issue to be further addressed is how fungal assemblages on leaf
litter are a food resource for invertebrate detritivores. Beyond the ability of fungi to
degrade complex carbon sources from plant litter to easier assimilable food sources
due to their enzymatic capabilities (Romaní et al., 2006), it has been claimed that
invertebrate shredders have a preference for leaf litter colonized by certain species of
fungi (e.g., Arsuffi&Suberkropp, 1984, 1985, 1986). However, no clear explanations
have been provided so far for such evidence. Increasing the knowledge on fungal traits
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Fig. 9.2 Diagram with possible effects of multiple stressors on different dimensions of diversity
(taxonomic, genetic and functional diversity) of microbial decomposers and plant litter decompo-
sition with impacts on stream ecosystem functioning and services. Blue arrow, direct effects of
stressors on diversity; green arrow, direct effects of stressors on functions; orange arrow, effects on
functions mediated by changes in diversity; yellow arrow; effects on diversity mediated by changes
in functions; black arrow, impacts on ecosystem services

could help to elucidate these aspects related to the availability of certain nutrients,
such as nitrogen, vitamins or fatty acids (Arce Funck et al., 2015).

How fungal community assembly on plant litter in streams is another aspect that is
poorly understood but can be important to ensure plant litter decomposition, partic-
ularly under stressful abiotic and biotic conditions. It is recognized that there is a
colonization succession with some species of fungi appearing to be early colonizers,
while others appear to occur later (e.g., Sridhar et al., 2009). However, the rela-
tive importance of stochastic versus deterministic processes in microbial community
assembly has been poorly investigated (Chase & Myers, 2011; Stegen et al., 2012).
Although stochastic processes, in which communities would be randomly assem-
bled through birth–death, drift, and speciation (neutral theory), are believed to play a
role in shaping community structure, most studies focus on deterministic processes
considering the selection imposed by biotic interactions and environmental filtering
(Vellend, 2010). Anyway, if key early colonizers are lost, it may compromise species
succession and, consequently, plant litter decomposition. Therefore, powerful predic-
tive models will contribute to better understand microbial community dynamics and
the interactions between plant litter and the micro- and macro-organisms that shape
stream ecosystem functioning under global change.
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Chapter 10
The Role of Macroinvertebrates on Plant
Litter Decomposition in Streams

Micael Jonsson and Ryan A. Sponseller

Abstract Macroinvertebrate detritivores (i.e., shredders) in freshwaters are often a
main driver of decomposition rates of terrestrial plant litter. Yet, the extent to which
shredders drive this process depends on the specific functional traits and species
present in the shredder community, which in turn are determined by the broader
species pool, as well as a range of local environmental conditions, such as pH,
substrate characteristics, water chemistry, water temperature, and current velocity.
Projected global change will modify several of these environmental conditions, with
potential consequences for litter decomposition rates and overall carbon cycling in
freshwaters. In this chapter, we describe how a range of freshwater environmental
conditions determines the presence of certain species (i.e., functional traits) and
the characteristics of shredder communities (i.e., species composition and richness).
We then discuss how these characteristics in turn may influence interactions among
shredders, and between shredders and other freshwater organisms, to determine their
influence on litter decomposition in streams.

10.1 Introduction

Litter-associated macroinvertebrates (i.e., shredders) are represented by a range of
species, which are mainly insects in the orders Diptera, Plectoptera, and Trichoptera,
but also include some crustaceans and molluscs that can locally occur in high densi-
ties and, as opposed to insect shredders, often have fully aquatic life cycles. Early
studies on terrestrial plant litter and shredders in freshwater systems found clear posi-
tive associations between standing litter stock and shredder abundance (Anderson
& Sedell, 1979; Cummins et al., 1973; Short et al., 1980). Yet, it was not until the
landmark experiment by Wallace et al. (1982) that the direct role of shredders for
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plant litter decomposition was confirmed. Here, application of insecticides to an
entire headwater reach resulted in a large reduction in shredder abundance, which
dramatically reduced conversion of terrestrial leaf litter (CPOM; coarse particulate
organic matter) to small particles (FPOM; fine particulate organic matter) and down-
stream transport of FPOM (Wallace et al., 1982). During this time, parallel energetic
studies also revealed that invertebrate shredders have very low assimilation effi-
ciency (Cummins & Klug, 1979; Golladay et al., 1983; McDiffet, 1970), and that
their secondary production and respiration contribute little to the broader ecosystem
energy budget (Fisher & Likens, 1973). Collectively, this research suggested that the
role of shredders in the litter decomposition process is mainly in the conversion, via
fragmentation, of CPOM to FPOM. This functional role is nevertheless critical, as
it facilitates overall decomposition of terrestrially derived plant material (Cummins
et al., 1989; Mulholland et al., 1985; Villanueva et al., 2012; Webster & Benfield,
1986), increases the availability of litter-based resources to other freshwater organ-
isms (Cummins et al., 1973; Wallace & Webster, 1996), and underpins longitudinal
connectivity in river systems (e.g., via FPOM transport; Wallace et al., 1982). As
such, studies during this period set the stage for an actively developing and exciting
research field over the coming decades (Graça, 2001;Marks, 2019; Tank et al., 2010).

Freshwater environmental conditions interact with regional pool of available
species to determine which species (i.e., functional traits) and community character-
istics (i.e., species composition and richness) are present or absent locally at any one
site (Bonada et al., 2007; Jonsson et al., 2017; Poff, 1997; Poff et al., 2006). These
characteristics in turn influence the rate at which the macroinvertebrate shredder
community decomposes litter (Dangles & Malmqvist, 2004; Gessner et al., 2010;
Jonsson & Malmqvist, 2000; McKie et al., 2008). Hence, altered environmental
conditions will likely modify litter decomposition rates via changes in shredder
community composition, with consequences for the role that shredders have for
overall litter turnover rates. In this chapter, we will describe how certain traits may
be present or absent in (or differ in abundance among) shredder communities due
to variation in local environmental conditions. We will then go on to describe how
such variation in community characteristics may regulate litter processing rates and
trophic links between shredders and other freshwater functional feeding groups. As
a synthesis, we present possible scenarios as to how predicted global change (i.e.,
changes in climate and land use) can affect litter decomposition in fresh waters via
impacts on shredder communities, and will do so for tropical, temperate, boreal, and
Arctic biomes.

All types of freshwater systems may contain macroinvertebrate shredder species,
but their role is greatest in ecosystems that receive substantial seasonal inputs of
terrestrial (e.g., riparian) plant material relative to the area of aquatic habitat, which
is mostly in small to mid-sized streams surrounded by well-developed deciduous,
riparian vegetation. Thus, while other types of riverine systems, as well as lakes and
ponds, can receive terrestrial litter input and thereforemay house shredders, we focus
here on macroinvertebrate shredders and litter decomposition in small to mid-sized
streams that are forested, which also represent the type of freshwater systems where
most research relevant to this topic has been carried out.
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10.2 Macroinvertebrate Shredder Functional Traits

Each species that canbe classified as a freshwatermacroinvertebrate shredder exhibits
unique functional traits, or rather a set of traits, that make it more or less likely to
exist under certain environmental conditions (Poff et al., 2006), and that determine
its role in the litter decomposition process. In general, as all species classified as
shredders per definition feed, at least partially, on plant litter, and their life cycle is
often intimately tied to seasonal pulses in litter resource availability. In temperate
and boreal systems, this means that most shredders time their presence and growth as
larvae with autumn leaf senescence and subsequent peaks in litter input and increases
in standing stocks (Richardson, 1991; Wallace et al., 1999). However, while this is
true for insect shredders, other shredder/detritivorous taxa, such as crustaceans and
gastropods, that are present throughout the year, are less responsive to seasonal
variation in litter availability, but instead show a high level of feeding plasticity by
foraging also on other types of food resources (MacNeil et al., 1997; Moore, 1975).

Plasticity in feeding traits can, however, also be found among insect shredders. In
particular, the strategy to shred plant material for food can be mixed with scraping
surfaces or collecting FPOM (Cummins & Klug, 1979). The level of plasticity, or
the extent to which shredder species use another feeding strategy than shredding, can
change with development (i.e., ontogenetic diet shifts: Feminella & Stewart, 1986;
Tierno de Figueroa & López-Rodriguez, 2019), or with variation in water chemistry
(e.g., pH: Dangles, 2002; Ledger & Hildrew, 2000). Further, it is possible that the
inherently low quality of plant litter, and the additionally, successively (seasonally)
diminishing quality of litter standing stocks (Chauvet, 1987; Gessner & Chauvet,
1994), promote a diet that includes also higher-quality, autochthonous resources,
such as algae (Brett et al., 2017; Jonsson & Stenroth, 2016; Moore, 1975) as well as
predation (Dangles, 2002). The reality of these dietary choices complicates the use
of traditional, and overly simplistic, functional feeding group designations (Mihuc,
1997). Further, to understand the role of macroinvertebrates for litter decomposition,
and how this role may be altered under changing environmental conditions, this
potential flexibility in resource use has to be considered.

Shredders also exhibit traits that are directly related to variation in abiotic
conditions, such as water chemistry (e.g., pH and nutrient concentrations), water
temperature, current velocity, and bottom substrate complexity and grain size. Thus,
depending on the local abiotic conditions, different shredder communities are found
(Jonsson et al., 2017; Malmqvist & Mäki, 1994; Poff, 1997), and it is therefore to
some extent possible to predict community characteristics in a particular freshwater
habitat, based on prevailing, local abiotic conditions. For example, strong environ-
mental filters are exerted directly by pH and nutrient concentrations (i.e., level of
eutrophication) and, thus, indirectly by landuse and land cover that shapewater chem-
istry (e.g., Jonsson et al., 2017). Across a gradient in pH, euholognathan stoneflies
tend to dominate in more acidic streams, while trichopterans and dipterans are less
common, and crustaceans are very scarce (Dangles & Guérold, 1999). Conversely,
in streams of higher pH, stonefly abundance is often lower, and crustaceans and
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other acid-sensitive species are more abundant (Dangles & Guérold, 1999; Grif-
fith & Perry, 1993). Across a gradient in eutrophication, a similar—but opposite—
change in community composition is typically observed (Woodiwiss, 1964). This is
because stoneflies in general are sensitive to the low oxygen levels resulting from
organic pollution (e.g., from agricultural runoff) and the subsequent high microbial
oxygen consumption (Hilsenhoff, 1988). Moreover, some Trichoptera groups are
fairly tolerant to low oxygen levels, and crustaceans tolerate, and often dominate,
under these conditions (Metcalfe, 1994).

High oxygen (O2) demand results in stoneflies and some other taxa being more
abundant and species rich in colder waters at higher latitudes (and altitudes) when
compared tomore southern (and/or lowland) streamswith higher temperatures,where
O2 saturation is often lower (Verberk et al., 2011). High water velocity promotes
oxygenation, and is therefore an environment where more O2 demanding species
can be found, but can also in itself create habitats that are suitable for some (i.e.,
rheophilic) taxa and an obstacle to others, shaping communities across a gradient
from slow- to fast-flowing water (Hart & Finelli, 1999). However, the impact of
water velocity on a shredder community can interact with bottom substrate type and
complexity (Huryn & Wallace, 1987). For example, high substrate complexity or
large grain sizesmaymoderate potentially adverse effects of a fast current by creating
refugia of lower current velocities (Franken et al., 2006). Because of this, and because
substrates form the main living space for benthic macroinvertebrate communities,
bottom substrate characteristics are important determinants of shredder community
composition (Reice, 1980; Sponseller & Benfield, 2001;Williams &Mundie, 1978).
In addition, bottom substrate characteristics influence stream retentiveness of terres-
trial plant litter input (Ehrman & Lamberti, 1992; Lepori & Malmqvist, 2005), a
pre-requisite for whether a rich and abundant shredder community can be found or
not (Haapala et al., 2003; Richardson, 1991; Wallace et al., 1999).

10.3 Inter- and Intraspecific Interactions

The low assimilation efficiency of shredders reflects the inherently low quality of
plant detritus as a food source. Although some studies have shown that detritivores
can assimilate up to 40% of ingested plant biomass, others have found that the
conversion rate of ingested leaf litter to shredder biomass more often is ≤ 20%
(Golladay et al., 1983; McDiffet, 1970). Due to the low resource quality of leaf
detritus, shredders are highly dependent on microbial colonization on and within
the leaf tissue, as the microbes (primarily fungi) improve the nutritional quality to
shredders (Bärlocher, 1985; Cummins & Klug, 1979). Accordingly, studies have
shown that microbial colonization of leaf litter increases shredder assimilation effi-
ciency considerably (Cummins & Klug, 1979; Golladay et al., 1983). Nevertheless,
the generally low assimilation efficiency also means that feces produced are quite
similar to the original detrital resource in terms of nutrient content. Frass and feces
from shredder leaf consumption can therefore serve as an important pre-processed
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food resource to other shredders, collectors, and filter feeders (Dieterich et al., 1997;
Grafius & Anderson, 1979; Jonsson & Malmqvist, 2005; Patrick, 2013; Short &
Maslin, 1977). Thus, interactions between shredders and leaf-associated microbes
are critically important for shredder secondary production, the availability and quality
of litter-based resources to other freshwater organisms, and, thus, for overall plant
litter processing in streams.

Interactions among shredder individuals within a shredder community may
amplify or reduce their impacts on litter decomposition rates. For example, rates of
litter decomposition have been found to decrease with increasing shredder density,
due to strong interference competition (Jonsson & Malmqvist, 2003). In natural
systems, such effects are likely absent initiallywhen resources are abundant soon after
leaf senescence, but may become increasingly apparent as the litter resource gradu-
ally is fragmented and consumed (Jonsson, 2006). Moreover, due to different species
utilizing separate niches (i.e., ‘niche complementarity’), competition is often weaker
among species than within species (Loreau & Hector, 2001). Thus, total amount of
interference competition may be lower in a species-rich community compared to
in a community that consists of only one or a few species total (Gessner et al.,
2010; Jonsson & Malmqvist, 2000, 2003, but see McKie et al., 2009). Hence, if
shredder species are lost, litter decomposition rates may decrease despite compen-
satory increases in the abundance of remaining species, due to overall increased levels
of interference (i.e., resource) competition (Jonsson & Malmqvist, 2000, 2003).
Changes in shredder species richness can therefore alter their role as drivers of litter
decomposition rates.

Different feeding modes, such as scraping the leaf surface to selectively consume
fungal biomass, or ingesting pieces of the leaf matrix together with fungal biomass
(Bloor, 2011), are a key aspect of niche complementary among invertebrate shred-
ders. For example, isopods and stoneflies have mouthparts that are more suitable for
scraping surfaces than biting bits off a leaf, as many trichopterans do (Graça et al.,
1993; Jonsson et al., 2002). Such differences in feeding behavior may create situa-
tions of apparent niche complementarity, or cases where facilitation among species
occur (Giller et al., 2004). Hence, a higher number of shredder species should, on
average, result in higher decomposition rates (Gessner et al., 2010). These differences
in feeding modes among distantly related shredder taxa are likely also the mecha-
nistic explanation as to why mixing litter from different plant species may increase
decomposition rates (Santonja et al., 2020; Swan&Palmer, 2006; Tonin et al., 2018).
However, more subtle niche complementarity—whatever it may be—among closely
related species (e.g., within the same family or genus) can also result in higher per-
capita litter processing rates inmixed communities than for single species, if it lowers
competition or promotes facilitative interactions (Jonsson&Malmqvist, 2000, 2003;
McKie et al., 2008).

Changes in decomposition rates caused by a change in the shredder community
will likely have consequences also for other organisms, such as litter-associated
microbes (via nutrient excretion; Mulholland et al., 1985; Villanueva et al., 2012),
filter feeders and collectors (via particle production; Dieterich et al., 1997; Grafius
& Anderson, 1979; Jonsson & Malmqvist, 2005; Patrick, 2013; Short & Maslin,
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1977, but see Heard & Richardson, 1995; Jonsson et al., 2018), and predators (via
prey availability; Peckarsky, 1982). However, how a change in shredder community
composition influences other freshwater organisms via altered litter processing rates
has rarely been studied (but see Jonsson & Malmqvist, 2005; Patrick, 2013). More-
over, despite several studies showing that shredder species richness is important for
rates of litter decomposition, there is ample evidence that the presence of particular
shredder species, rather than a change in species richness per se, sometimes can be
at least as important for rates of litter decomposition (Boyero et al., 2014; Dudgeon
& Gao, 2010; Perkins et al., 2010; Santonja et al., 2018), indicating that dominant
functional traits rather than shredder diversity per se (i.e., the ‘mass ratio hypoth-
esis’; Grime, 1998) determines litter mass loss (Creed et al., 2009; Stoker et al.,
2017). Hence, future research should consider the importance of dominant traits
in shredder communities rather than merely species richness, how environmentally
induced variation in these trait values results in altered rates of decomposition, and
what consequences this has for microbes and other invertebrate guilds.

10.4 Impacts of Global Change on Litter Decomposition
via Effect on Invertebrate Shredders

In the face of current and future global change, freshwaters are among the most
threatened ecosystems. In addition to potential direct and indirect effects of predicted
climate change (IPCC, 2007;Moss et al., 2009; Settele et al., 2014), a long list of other
anthropogenic changes, including different types of land uses, will continue to impact
freshwater systems and their biodiversity inmanyways (Dudgeon et al., 2006). These
impactswill alter the rates of ecosystemprocesses, and inmany cases lead to impaired
ecosystem functioning (Dudgeon, 2010). Below, we explore how different types of
global changemay impact rates of litter decomposition via influences on invertebrate
shredders (see also Table 10.1).

10.4.1 Warming

Global air temperature is expected to increase by 2–5 °C by the end of the twenty-
first century, mainly due to effects of greenhouse gas emissions from human activ-
ities (IPCC, 2007). However, these warming trends will not be uniform globally.
Instead, northern regions (i.e., the boreal and Arctic) are predicted to experience
the greatest future temperature change, whereas considerably smaller increases may
be observed in the tropics (IPCC, 2007; Settele et al., 2014). While stream water
temperatures are regulated by a complex set of drivers (groundwater, shading, etc.),
there is reason to expect that warmer air temperatures will increase water temper-
ature, at least for some portion of the year (Morrill et al., 2005; Webb & Nobilis,
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Table 10.1 Hypothesized effects of global change on shredder communities, and subsequent
changes in plant litter decomposition rates due to altered importance of the shredder community, in
four different biomes, each with expected biome-specific global changes. The hypothesized change
(‘Effects on decomposition rates’) is based on the overview in the above text and cited literature
within that text, and the presumed changed importance of shredders plant litter decomposition in
fresh waters from before to after the impact of global change. The number of ‘ + ’ or ‘–’ represents
the hypothesized strength of the effect

Biome Global change Effect on freshwater
system

Effect on the
shredder
community

Effect on
decomposition
rates

Tundra Warming Increased water
temperature

Reduced
psychrophile
species

– –

Increased metabolic
rates

+

Shrubification Increased litter
input

Increased shredder
abundance

+ +

Boreal forest Warming Increased water
temperature

Reduced
psychrophile
species

– –

Increased drought
occurrence

Reduced shredder
biomass and
richness

–

Precipitation Increased flood
stochasticity

Reduced shredder
biomass and
richness

–

Removal of litter
input

– –

Increased N and
dissolved C

Increased microbial
biomass

+ +

Forestry Reduced litter
quality

Reduced shredder
biomass and
richness

– – –

Temperate
forest

Warming Increased anoxic
conditions

Reduced shredder
biomass and
richness

– – –

Reduced microbial
biomass

– –

Increased drought
occurrence

Reduced shredder
biomass and
richness

– – –

Disconnect between
land and water

– – –

Precipitation Increased flash
floods

Reduced shredder
biomass and
richness

– – –

Removal of litter
input

– – –

(continued)



200 M. Jonsson and R. A. Sponseller

Table 10.1 (continued)

Biome Global change Effect on freshwater
system

Effect on the
shredder
community

Effect on
decomposition
rates

Agriculture Reduced flows Reduced shredder
biomass and
richness

– – –

Disconnect between
land and water

– – –

Tropical rain
forest

Warming Increased water
temperature

Increased metabolic
rates

+

Precipitation Reduced flows Reduced shredder
biomass and
richness

–

Disconnect between
land and water

–

Agriculture Reduced flows Reduced shredder
biomass and
richness

–

Disconnect between
land and water

– –

2007). Aswater temperature is a strong environmental filter that determinesmacroin-
vertebrate community composition (Jacobsen et al., 1997), such changes are likely
to impact the distribution of freshwater organisms, their interactions, and thus the
processes they carry out (Settele et al., 2014). Hence, warming-induced changes
in shredder community composition will likely alter intra- and interspecific inter-
actions, including the presence and strengths of facilitation and effects of niche
complementarity, and interactions among different types of organisms that are asso-
ciated with litter processing or products thereof. For example, warming has been
shown toweaken facilitation betweenmacroinvertebrate andmicrobial decomposers,
presumably via increased metabolic demands and reduced nutrient excretion by the
macroinvertebrates (Bernabé et al., 2018).

Warming of freshwaters will inevitably have the largest adverse impacts on cold-
loving (i.e., psychrophile) macroinvertebrate species at higher latitudes, and if these
species are important shredders, also the litter decomposition processwill be severely
affected (e.g., Perkins et al., 2010). As increases in temperature are likely to be
greatest in high-latitude ecosystems, which often have species-poor communities
dominated by only a few species that are adapted to colder conditions (e.g., stone-
flies; Irons et al., 1994; Jacobsen et al., 1997; Li & Dudgeon, 2009; Masese et al.,
2014), the impact of warming on the role of shredders for litter decomposition may
be most pronounced in these systems (Table 10.1). Hence, in northern regions, the
major effect of warming will likely be a changed shredder community composi-
tion due to taxon-specific temperature preferences and responses in metabolic rates
to warming in relation to available resources (i.e., starvation; Perkins et al., 2010;
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Sweeney, 1978; Sweeney & Schnack, 1977). The impact on litter processing may,
however, be alleviated if more southern shredder species expand their ranges north-
ward to fill vacant niches. Yet, the extent to which such species replacement can
take place will depend on other environmental filters (e.g., local pH), geographic
barriers, the rate at which warming occurs, as well as the migratory ability of the
southern, more thermophilic species (Bilton et al., 2001). Moreover, climate-change
induced alterations of riparian vegetation may counteract adverse effects of warming
or even promote the role of shredders for litter decomposition in streams (Jonsson
& Canhoto, 2017; Wondzell et al., 2019).

10.4.2 Climate-Induced Changes in Vegetation

Warming will also gradually change the terrestrial plant community composition
(e.g., conifers will be replaced by broadleaf species; e.g., Walther et al., 2002) and
functional trait representation, which in itself will further alter productivity on land
as well as the quantity and quality of litter supplied to fresh waters during leaf
senescence (Kominoski et al., 2013). Further, as tree species differ in phenology of
leaf senescence (Dixon, 1976; Eckstein et al., 1999), and as phenology is coupled
with litter quality (Campanella & Bertiller, 2008; Niinemets & Tamm, 2005), a
gradual change in plant community composition in response to warming will also
alter the temporal resource availability to shredders, and the quality of those resources
(Jonsson&Canhoto, 2017). Themost dramaticwarming-induced shifts in vegetation
are predicted to occur at high latitudes (i.e., in the tundra) and altitudes (i.e., above the
current tree line), as treeswill expand into these previously open areas, or, conversely,
in regions that become too warm and dry for trees to persist (Table 10.1; Chen
et al., 2011; Walther et al., 2002; Zhang et al., 2013). In the former situation, an
increased shredder abundance, and thus an increased role of shredders for plant
litter decomposition, may be expected, as the availability of litter resources will
increase, whereas in the latter situation, shredders likely are lost, or severely reduced
in abundance, reducing their role for plant litter processing.

Changes in terrestrial net primary productivity (NPP) are also expected in response
to warming, especially in northern regions (i.e., boreal and Arctic) and at high eleva-
tions (e.g., Gao et al., 2013), as this is where temperature increases will be the
greatest (IPCC, 2007; Settele et al., 2014). Mean annual temperature and NPP are
generally positively correlated (Huston & Wolverton, 2009), so increased NPP as a
consequence of climate warming is expected. However, lower latitudes may experi-
ence reduced NPP due to increasingly dry conditions caused by higher temperatures
(IPCC, 2007; Settele et al., 2014; Walther et al., 2002). These potential changes in
terrestrial NPP are important because this is tightly coupled to leaf litter production
(Wardle et al., 2003), and therefore with amount of terrestrial plant litter that fresh-
water systems receive from the riparian zone, but also to shading that may counteract
effects of warming on water temperature (Wondzell et al., 2019).
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More subtle changes in litter quality may also be caused by warming, because
in sufficiently warm and wet environments, where resources are abundant, plant
strategies involve growing in height to escape intra- and interspecific competition for
light (Hautier et al., 2009). This strategy requires allocation of resources to biomass
production, and therefore results in lower investment into secondary compounds (i.e.,
defense against herbivores; Bazzaz et al., 1987; Coley, 1988), which then increases
the quality (i.e., palatability) of the litter produced. However, contrastingly, higher
concentrations of atmospheric carbon dioxide (CO2), which is onemain agent behind
climate warming, and subsequent greater CO2 uptake by vegetation, may result in
poorer litter quality as the carbon (C)-to-nitrogen (N) ratio, as well as concentrations
of lignin and phenolics, increase (Norby et al., 2001; Stiling&Cornelissen, 2007). In
addition to differences in litter quality having strong effects on decomposition rates
(Heal et al., 1997; Lidman et al., 2017; Ostrofsky, 1997), changes in litter qualitymay
also exacerbate stochiometric mismatches between shredders and the litter resources
(Norby et al., 2001; Tuchman et al., 2002). Such a change would have immediate
consequences for freshwater secondary production, especially in combination with
increased metabolic demands due to higher water temperature (Perkins et al., 2010;
Sweeney, 1978; Sweeney & Schnack, 1977).

10.4.3 Direct and Indirect Effects of Changed Precipitation

Similar to the effects of increasing air temperature, precipitation patterns will change
unevenly across the globe. Current models suggest that some regions will experience
greater annual rainfall with positive effects on terrestrial NPP, whereas other areas
are expected to experience lesser amounts with more severe and prolonged droughts
and adverse effects on terrestrial NPP (Table 10.1; IPCC, 2007; Settele et al., 2014;
Walther et al., 2002). Such effects on terrestrial NPP will in themselves affect the
role of macroinvertebrates for plant litter decomposition in fresh waters, via changes
in litter input quantity and quality (see 10.4.2). In addition, studies suggest that
precipitation drives litter input dynamics to fresh waters in the tropics, whereas
temperature in itself is a more important driver at higher latitudes (Tonin et al.,
2017). However, greater stochasticity in precipitation, in terms of both amounts and
frequency (Pendergrass et al., 2017), and thus frequency of floods and droughts
in freshwater systems, is expected in a warmer climate (Trenberth, 2011). Hence,
besides affecting NPP, altered precipitation may affect the role of shredders for litter
processing by regulating litter input dynamics, and via impacts on the frequency and
magnitude of floods, runoff of dissolved organic matter, and frequency and length
of droughts.

Changes in both magnitude and frequency of floods due to climate change will
influence freshwater macroinvertebrate community composition, and most inverte-
brate groups will exhibit a reduced abundance in response to altered flow regimes
(Kakouei et al., 2018; McMullen & Lytle, 2012). In addition, spates due to extreme
rainfall events can drive the exports of organic C and nutrients from freshwater
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systems, especially by reducing the retention of CPOM (Giling et al., 2015). Thus,
if flooding events occur during or soon after leaf senescence, these will influence the
spatial distribution of litter resources, with consequences for invertebrate shredders
and other functional feeding groups that to some extent depend on this resource or
products from the decomposition process (i.e., collectors and filter feeders). Such
effects of high flow may be moderated by substrate characteristics that increase flow
heterogeneity and promote litter retention, or be exacerbated by past human activi-
ties that have resulted in reduced structural complexity and increased channelization
of streams (Ehrman & Lamberti, 1992; Koljonen et al., 2012; Lepori & Malmqvist,
2005).

Even moderately reduced flows may have large impacts on shredder-mediated
litter decomposition rates, if they result in increased distance between riparian vege-
tation and thewater body, reducing litter input and in-stream litter availability (Arroita
et al., 2015; Giling et al., 2015), and thus shredder abundance (Richardson, 1991;
Wallace et al., 1999). In the event of drastically reduced flows (i.e., extensive and
prolonged droughts), invertebrate shredders (as well as other freshwater organisms)
can be extremely vulnerable, as habitat conditions (e.g., oxygen levels and temper-
ature) progressively deteriorate and habitats disappear (Bonada et al., 2007; Herbst
et al., 2018). This habitat deterioration, in turn, will affect litter decomposition rates
in streams where shredders are important actors in that process (Leberfinger et al.,
2010; Monroy et al., 2016). It is important to note, however, that droughts (as well
as spates) can have very different effects on the role of shredders for plant litter
decomposition, depending on when during the year they occur and how they overlap
with certain developmental stages of the locally important shredder species.

Runoff of dissolved organic matter (DOM), including critical nutrients (i.e., C, N,
and phosphorus [P]), can stimulate litter-associated microbial biomass and activity
in freshwater systems (Emilson et al., 2017), and thus increase the palatability of
terrestrial plant litter and the rate at which it is decomposed by invertebrate shredders
(sensu Heal et al., 1997; Rosemond et al., 2015). In regions where increased precipi-
tation is expected as a consequence of climate change, freshwater systems will likely
receive increased amounts of DOM from terrestrial runoff (Christensen et al., 2001;
Larsen et al., 2011). In warmer regions, where increasingly dry conditions will have
adverse effects of terrestrial vegetation, inputs of DOM may become more sporadic
but of higher magnitude following rare, extreme rain episodes (Table 10.1; Alpert
et al., 2002; Nunes et al., 2009). In addition to quantitative changes, DOM runoff
may also change qualitatively, as a consequence of changed soil nutrient availability
following climate-change induced alterations in plant physiology and community
composition, and, thus, plant litter chemistry (Bazzaz et al., 1987; Niinemets &
Tamm, 2005). Such qualitative changes may, as for quantitative changes, influence
litter-associated microbial communities with consequences for litter palatability and
the rate at which shredders decompose the plant litter.

Runoff of terrestrial organic matter may also reduce pH, which can be tightly
coupled to concentrations ofDOM(i.e., organic acidity). Thus, as opposed to positive
effects of DOM via increased microbial biomass and litter palatability, runoff may
also result in reduced shredder contributions to litter decomposition, and reduced
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overall decomposition rates, if important acid-sensitive shredder (and microbial)
species are lost (Petrin et al., 2007; Schmera et al., 2013). However, in the boreal
region, where precipitation and subsequent runoff are predicted to increase the most,
many important shredder taxa are naturally tolerant to low pH (Dangles et al., 2004),
so effects of DOM on shredder-mediated litter processing via changed shredder
communities should be small in the north. However, besides bringing nutrients,
or lowering the pH, runoff may also bring sediment other chemicals from land to
water. The effect of such environmental change on the role of shredders for the litter
decomposition process will depend on the causal agent (e.g., type of human activity)
and the way in which catchment characteristics are altered (see 10.4.5).

10.4.4 Fire and Strong Winds

Climate change is expected to increase frequencies of forest fires and strong winds
(Seidl et al., 2017). If large areas of a catchment are disturbed by either storm felling
or fire, increased runoff (Verkaik et al., 2013) and subsequent effects on macroin-
vertebrate communities (Minshall, 2003) may persist until the forest has recovered.
At smaller scales, fire and wind disturbance can result in increased inputs of dead
wood, which in turn could alter water flow and promote retention of plant litter with
positive effects on shredder abundance and their importance for litter decomposi-
tion. However, both fire and wind can also remove riparian vegetation and open
the canopy, and thus change the resource base and the dominant functional feeding
groups present in the freshwater system (Vannote et al., 1980). However, this effect is
likely to be transient, provided that secondary succession proceeds in the absence of
disturbance (Stone &Wallace, 1998). In fact, fire and wind disturbance may promote
shredder abundance and shredder-mediated decomposition, if it allows for regenera-
tion of early-successional deciduous vegetation, which produces higher-quality litter
in a seasonal manner, as opposed to the often dominant late-successional, coniferous
species.

10.4.5 Human Activities

Multiple types of land use will influence freshwater systems and their shredder
communities in different ways (Table 10.1). Forestry, and in particular large-scale
clear-cutting, affects vegetation and thus runoff of DOM (i.e., nutrients and pH)
in a similar way as do large-scale disturbances (see 10.4.4), and may therefore
mimic effects of forest secondary succession on freshwater invertebrate commu-
nities and plant litter decomposition. However, additional impacts on soils (i.e.,
damage from forestry machines and soil scarification to promote seedling growth
and survival) create novel disturbance regimes, resulting in, for example, increased
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sediment inputs, with often adverse effects on freshwater invertebrate communities
and litter decomposition rates (Gurtz &Wallace, 1984; Lecerf & Richardson, 2010).

Forestry also, typically, transforms the tree community composition, in favor of
species (e.g., conifers and Eucalyptus) that produce lower-quality litter to freshwater
systems (Ferreira et al., 2016; Laudon et al., 2011). Such changes in riparian vegeta-
tion is an important determinant of the presence of shredders; a reduced litter input
quality will lessen the role of shredders in the decomposition process (Raposeiro
et al., 2018), as shredders contribute more when litter is of higher quality, whereas
microbes are more important for the decomposition of lower-quality litter (Hieber
& Gessner, 2002; Raposeiro et al., 2018).

Effects of forestry may, however, also be small. In fact, macroinvertebrate abun-
dance has in some cases been found to be higher in streams impacted by forestry,
suggesting that other environmental filters, such as pH, override the impact of forestry
on macroinvertebrate communities (Liljaniemi et al., 2002). This may be especially
true for stream environments that are characterized by strongly limiting conditions
in temperature and/or nutrients (i.e., in the boreal region, e.g., Lidman et al., 2017).
Moreover, as suggested above, forestry may, in the absence of fire disturbance,
emulate some beneficial aspects of natural disturbances, by creating young decid-
uous riparian vegetation that provide high-quality litter input to fresh waters and thus
promote the abundance of shredders (Liljaniemi et al., 2002; McKie & Malmqvist,
2009). In any case, equivocal effects of forestry on freshwater macroinvertebrates
maybe due to the level of effects beingmediated byother conditions, such as substrate
type (Gurtz &Wallace, 1984), and will certainly differ among different management
strategies. Thus, it is somewhat difficult to draw general conclusions as to how
forestry affects the importance of invertebrate shredders for litter decomposition in
freshwaters; these effects are likely transient in time and highly context dependent
(Ferreira et al., 2016).

Agriculture can, in several ways, have large impacts on freshwater systems and
their macroinvertebrate communities, and due to a growing human population, agri-
cultural activities and their associated impacts are predicted to increase (Dudgeon
et al., 2006; Laurance et al., 2014; Moss, 2008). When land is cultivated for agricul-
tural purposes, there may be a complete removal of riparian vegetation, resulting in
a more autochthonous resource base with subsequent changes in macroinvertebrate
community composition (Allan, 2004; Vannote et al., 1980). Alternatively, there is
a modified riparian plant community composition, which alters quantity and quality
of litter input to streams (Stenroth et al., 2015), and thus likely the role of shredders
for litter decomposition. However, one of the more dramatic impacts of agriculture
is the runoff of nutrients, which stimulates microbial biomass and microbially medi-
ated litter decomposition (Gulis & Suberkropp, 2003;Woodward, 2012), but thereby
likely also litter palatability and shredder-mediated decomposition (Bärlocher, 1985;
Cummins & Klug, 1979). However, this potentially positive effect on shredders may
be counteracted, because reduced oxygen levels due to increased microbial activity
have adverse impacts on some important shredder species, such as stoneflies, which
therefore typically are absent in streams impacted by agriculture (Hilsenhoff, 1988;
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Stenroth et al., 2015). Accordingly, effects of nutrient enrichment on litter decom-
position have been found to be stronger in colder regions, suggesting that the initial
importance of macroinvertebrates (higher in colder regions), and effects of nutrient
enrichment on these, determine effects of nutrient enrichment on plant litter decom-
position (Ferreira et al., 2014). Agricultural activities often also result in runoff of
directly harmful substances, such as pesticides (Cooper, 1993; Willis & McDowell,
1982). These substances may influence the role of invertebrate shredders for litter
decomposition, either by reducing litter palatability via impacts on the microbial
community (i.e., microbial conditioning; Bärlocher, 1985; Cummins & Klug, 1979;
Jonsson et al., 2015) or by directly affecting the shredder community (Liess & von
der Ohe, 2005).

A reduction in microbial litter conditioning, independent of cause, may require
compensatory feeding by shredders to maintain growth (Bärlocher, 1985; Cummins
& Klug, 1979; Flores et al., 2014). Hence, despite adverse impacts on the microbial
community, the importance of shredders for plant litter decomposition may increase.
Conversely, the importance of shredders may decrease despite positive effects on the
microbial community, e.g., via nutrient input, if consumption of less litter is required
to sustain shredder growth (Zubrod et al., 2015). Hence, human-induced impacts on
litter-associated microbial communities can either decrease or increase the role of
shredders in the decomposition process, but the above described, unexpected effects
are likely transient, as longer-term effects on per-capita feeding activity will act on
shredder abundance. Accordingly, no effects on shredder activity from agricultural
pesticides, despite reduced microbially mediated litter decomposition (Rasmussen
et al., 2012), or compensatory feeding due to lower litter quality (Flores et al., 2014),
will likely eventually result in reduced shredder contribution to the decomposition
process (Bärlocher, 1985; Cummins & Klug, 1979).

Human activities also result in voluntary or involuntary introduction of nonnative
species (Ricciardi, 2007), and these species may become invasive with potentially
large impacts onnative organisms and theprocesses theymediate (Ricciardi&Cohen,
2007; Mueller & Hellmann, 2008). With regard to plant litter decomposition in fresh
waters, it is not well studied how introduced and invasive plant (Dangles et al.,
2002) or shredder species may influence the role of shredders. Invasive crayfish are,
however, a good example of how massive the effects of species introductions can
be. Besides the signal crayfish (Aphanomyces astaci) being a carrier of the crayfish
plague and, thus, reducing (or completely removing) populations of native crayfish
(Strand et al., 2014), introduced and invasive crayfish species may impact litter
decomposition and other processes in complex ways (Jackson et al., 2014; Turley
et al., 2017). Thus, this area of global-change effects on litter decomposition in fresh
waters definitely needs more research.

Besides the potentially large impact of each of the above presented global changes
on freshwater macroinvertebrates and litter decomposition, freshwater systems are
often influenced by several types of disturbances simultaneously (Dudgeon et al.,
2006). Hence, it is difficult to predict consequences of global change in natural
systems based on studies of isolated disturbance types (Jackson et al., 2016). More-
over, the ongoing loss of freshwater biodiversity (Dudgeon et al., 2006) may weaken
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the resistance and resilience of fresh waters to disturbances (i.e., the insurance
hypothesis; Yachi & Loreau, 1999). For example, effects of an invasive terrestrial
plant on shredder-mediated litter decomposition may differ depending on the diver-
sity and composition of the shredder community feeding on litter from that plant
(Dangles et al., 2002).Nonetheless, the large environmental variability that is inherent
in many freshwater systems may have increased the tolerance of these systems to
multiple disturbances, compared tomore stable aquatic environments, such asmarine
systems (Jackson et al., 2016).

10.5 Conclusion

In summary, many types of global change have the potential to modify terrestrial
and freshwater environmental conditions that will have consequences for shredder
communities and their role as drivers of litter decomposition and overall organic
matter dynamics in streams. These impacts are very likely to differ across biomes.
Indeed, even the same type of global change, e.g., warming, will likely have different
implications for freshwater systems depending on biome, resulting in different
effects—in terms of magnitude and/or direction—on the role of shredders for rates
of leaf litter decomposition (Table 10.1). For example, increases in water temper-
ature due to climate change are expected to be much higher at northern latitudes
than in the tropics (IPCC, 2007; Settele et al., 2014), resulting in losses of impor-
tant psychrophile shredder species in the north, whereas tropical communities may
remain intact. On the other hand, as a result of climate change, terrestrial vegeta-
tion may become more abundant in the north and at higher latitudes (Chen et al.,
2011; Walther et al., 2002; Zhang et al., 2013), resulting in increased shading of
streams and more terrestrial plant litter input; this may reduce water temperatures
and promote shredder abundance and thus strengthen their importance as drivers of
the decomposition process (e.g., Lagrue et al., 2011; Wondzell et al., 2019).

Overall, while global change may result in a weakened or strengthened role
of macroinvertebrate shredders for plant litter decomposition in fresh waters, we
hypothesize that the effect of warming will be small in the tropics, in part due to
relatively low importance of shredders (as opposed to microbes) for litter decompo-
sition in this biome (Li & Dudgeon, 2009), either negative or positive in the tundra
and boreal regions, and the strongest—and only negative—in the temperate region,
due to increased habitat fragmentation and deteriorating environment (Bonada et al.,
2007; Herbst et al., 2018), and disconnected land–water systems (Arroita et al., 2015;
Giling et al., 2015), resulting from greater drought frequencies from global warming
and intensified human water use (Table 10.1). Nevertheless, how the role of shred-
ders for organic matter processing in streams will be altered by current and future
climate change is immensely difficult to predict. Moreover, other types of global-
change drivers, such as land use, may also show biome-specific effects, but not in
the same way as climate change. For example, effects of deforestation on plant litter
availability and the shredder community may be more pronounced in the tropics than
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in northern regions, but this has yet not been comparatively studied. Therefore, future
research on organic matter processing and C cycling in streams must consider the
potentially altered role of shredders under changed environmental conditions, but
at the same time also realize that alterations in this role will differ among different
types of global change, and be specific depending on the biome that is studied (Table
10.1).
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Chapter 11
The Role of Protozoans
and Microscopically Small Metazoans
in Aquatic Plant Litter Decomposition

Julia Reiss

Abstract Protozoans and microscopically small invertebrates are omnipresent in
aquatic systems but, arguably, under-studied, and this is true when it comes to one
of the best described ecosystem processes in fresh water—leaf litter decomposition.
However, over the last ten years research has been emerging that points to the impor-
tant role of these microbes (such as ciliates and micro-crustaceans) as consumers of
leaf prokaryotes and fungi. In fact, a decomposing leaf can be viewed as a micro-
world of a complex food web with tiny organisms interacting with each other—
fuelled by energy and nutrients from the leaf and the water interface. Evidence
from the latter comes from biofilm studies that highlight the need to incorporate
protozoans and micro-metazoans into our understanding of plant litter decompo-
sition. Here, publications on laboratory and field studies are summarised, to show
that protozoans and micro-metazoans are not only present on decomposing detritus,
but that they can influence leaf litter decomposition. After presenting this empirical
evidence, I conclude with some theoretical and more abstract thoughts on why these
microbes have an important role in energy and nutrient cycling that links leaves as
a substrate for biofilm with surrounding compartments such as the benthic zone and
the open water.

11.1 Decomposing Leaves as ‘Micro-Worlds’

Most school childrenwill be able to tell you that leaves are decomposed by ‘microbes’
and some will even know that bacteria and fungi are two main groups that will
contribute to the decay of dead plants. Clearly, decades of research on decomposition
(Gessner et al., 2010) have ‘paid off’ in the sense that microbes are considered key in
providing some of the most important ecosystem processes on this planet. However,
ecologists working on microscopically small invertebrates (i.e., micro-metazoans),
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and those working on protozoans, will tell you that the organisms they study have
been largely ignored when it comes to providing a bigger picture of how energy and
nutrients are recycled in ecosystems and this includes leaf litter decomposition in
fresh waters. Protozoans and metazoans that are invisible to the naked eye are very
biodiverse, omnipresent and abundant—so why then are they omitted from much
leaf litter decomposition research? There are probably twomain answers here: firstly,
studying these microbes is time consuming field- and microscope work and requires
expert taxonomic knowledge (this argument is not new (Robertson et al., 2000a)) but
still holds true to some extent even after decades of ever advancing research on these
groups (e.g., Peralta-Maraver et al., 2019; Poff et al., 1993; Reiss & Schmid-Araya,
2008). Secondly, assessing their role in leaf litter decomposition involves complicated
field- and laboratory procedures, because their effects on leaf litter decomposition
are probably largely indirect and often counterintuitive. Most protozoans and micro-
metazoans will not feed on leaf material directly but on other microbes and influence
leaf litter decomposition via top-down control of decomposers (this can stimulate
the abundance of their prey even more), nutrient recycling and bioturbation.

In fact, a decomposing leaf is a micro-world (Fig. 11.1) that is an excellent repre-
sentation of the complex interactions among microbes within, and on, biofilm and
an example for ‘small worlds that give big answers’ (i.e., model systems that allow
developing or testing of some general ecological concepts (Altermatt et al., 2015;
Reiss, Forster, et al., 2010)). Microscopically small organisms in this micro-world

Fig. 11.1 A decomposing leaf as a ‘micro-world’ for microbes in, and on, leaf biofilm. Fungi
and bacteria decompose the leaf and are a food sources for micro-grazers (protozoans and micro-
metazoans). In tandem with single-celled algae their biomass and exudates (e.g., exopolymeric
substances) create a three-dimensional environment on the surface of decomposing leaves. Tiny
animal-like species dwell within—and above—this matrix; and they belong to the protozoans
(flagellates, ciliates and amoebae) and micro-metazoans (shown here are nematodes, copepods
and rotifers). Also shown are viruses as especially bacteriophages are omnipresent in water. Food
chains in this ‘micro-world’ represent energy links from the leaf (and nutrients from the surrounding
water), to the basal decomposers (bacteria and fungi) and tiny primary and secondary consumers
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include viruses, prokaryotes (archaea and bacteria), protists (single-celled eukary-
otes such as single-celled fungi, algae and protozoans), as well as multicellular fungi
and microscopic metazoans (such as nematodes, rotifers, tardigrades, gastrotrichs
and micro-crustaceans) (Reiss, 2018).

Within this staggering amount of microbiota, there are two main groups that
have animal characteristics: protozoans and micro-metazoans (Reiss, 2018). Proto-
zoans are microscopically small, heterotrophic, single-celled eukaryotes and include
species that belong to the flagellates, ciliates or amoebae (Reiss, 2018). The term
‘micro-metazoan’ is not used widely in the ecological literature and instead ‘meio-
fauna’, ‘micro- or meso-zooplankton’ or ‘micro-invertebrate’ are established termi-
nology. In this chapter, I am using the term ‘micro-metazoan’ for two reasons:
firstly, meiobenthologists do not unanimously agree on a definition for meiofauna
(Robertson et al., 2000b) and, further, base it on sieve sizes (which is not impor-
tant when it comes to ‘leaf litter decomposition methods’). Secondly, decomposing
leaves are exposed to the benthic—and the open water zone alike and leaves there-
fore represent a link between benthic, epibenthic and pelagic food chains and
communities.

Indeed, terminological problems do not end here—although protozoans have
animal features they are not always included in definitions of ‘animal’ or ‘inver-
tebrate’ but at the same time can be included in terms such as ‘micro-invertebrate’,
‘micrograzer’ (Weitere et al., 2018), ‘micro-animal’ or ‘micro-fauna’. I settled on
‘protozoans’ and ‘micro-metazoans’ in this chapter and together I view them as
the microscopic counterpart to ‘macro-invertebrates’ whose importance is widely
established in the leaf litter decomposition literature (see Chapter 10).

Finally, ideas onwhat constitutes leaf litter ‘biofilm’ dependon the area of research
(e.g., biomedical vs. ecological) and in this chapter it is used as defined by (Sigee,
2005) as an assemblage ‘ofmicroorganisms occurring at a physical (e.g., water/solid)
interface, typically present within a layer of extracellular polysaccharide’ (p. 484,
Sigee, 2005). Fungi have a special position here as organisms that can be present
both in the biofilm and the leaf tissue matrix at the same time.

Terminological issues aside, research that focusses on the role of protozoans and
micro-metazoans in leaf litter decomposition is now emerging (e.g., Ribblett et al.,
2005; Risse-Buhl et al., 2012) and the purpose of this chapter is to place animal-like
microbes (protozoans and micro-metazoans) into the context of energy flow and leaf
litter decomposition, while summarising and synthesizing the status quo of what we
know about the role of these microbes in leaf litter decomposition (as established by
laboratory and field research).
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11.2 Protozoans and Micro-metazoans Are Omnipresent
in Aquatic Systems and Part of the Food Web

Decomposing leaves provide a substrate for microbe biofilms and the concept of the
‘microbial colonization and degradation’ stage that ‘conditions’ the leaf is famous
in leaf litter decomposition literature (Abelho, 2001). Indeed, bacterial and fungal
spores might be present on the leaves before they fall into the stream but even a sterile
leaf will undergo rapid microbial colonisation and quickly show a well-established
biofilm—typically after 2 weeks according to Abelho (2001) (depending of course
on a plethora of factors such as water temperature and chemistry, see Chapter 2).
Much ‘microbial colonisation’ research has focused on bacteria and fungi and their
relative importance (see Abelho, 2001; Gessner et al., 2010) because these groups
enhance detrital decomposition directly by macerating leaves and transforming leaf
carbon (and other nutrients) into living bacterial/fungal biomass. The latter has been
found to increase the palatability of detritus tomacrofauna (Abelho, 2001). However,
natural biofilms are typically much more complex than these ‘simple’ food chains
suggest.Whenbacteria and fungi are present, so are their primary consumers (Weitere
et al., 2018)—many different species of flagellates, ciliates and amoebae; and tiny
metazoans such as rotifers (Fig. 11.1). When light is present, single celled algae will
be an important component of biofilms and attract micro-grazers that in turn invite
microscopically small predators (Weitere et al., 2018). Ciliates, for example, are an
omnipresent group in freshwater and a key component of secondary production in the
micro-world (Reiss, 2018; Reiss & Schmid-Araya, 2008, 2010). Ciliates can also be
found in high abundances on detrital biofilm (Peralta-Maraver et al., 2019; Ribblett
et al., 2005) and solid surface biofilm. For example, Norf et al. (2009) found up to
600 ind./cm2 of biofilm ciliates on microscope slides exposed to water of the River
Rhine. Indeed, as a rule of thumb, this glass slide biofilm will show a rich micro-
community consisting of multiple trophic groups after only 1 day of exposure and
include protozoans andmicro-metazoans after 5 days (Arndt et al., 2003). In a pivotal
review, Weitere and colleagues (2018) suggest a framework that places freshwater
biofilms into a wider concept of energy flow in aquatic systems, and importantly this
framework highlights the crucial ecological role of biofilm-dwelling protozoans and
micro-metazoans. The complexity of benthic-pelagic coupling, biofilmmaturing and
microbe interactions is broken down into three interlinking topics: (1) coupling of
the planktonic and benthic food webs, (2) the ‘horizontal food-quality axis’ (changes
in the basal resources over time that are associated with increasing foraging and
nutritional costs for the protozoans and micro-metazoans) and (3) vertical food web
complexity and food chain length (protozoans and micro-metazoans are part of a
complex food web with several trophic levels). An example that illustrates the latter
point are food chains that involve epibenthic—and microscopically small—cope-
pods (such as Eucyclops spp.) that prey on bacterivorous ciliates in biofilm (Reiss &
Schmid-Araya, 2011) and in turn represent prey for juvenile fish (like many micro-
crustaceans [Dineen & Robertson, 2010]). Indeed the link between benthic micro-
metazoans (meiofauna) and higher trophic levels has been thoroughly reviewed by
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Ptatscheck et al. (2020). Weitere et al. (2018) give plenty of detailed genus-genus
interactions between biofilm basal groups (bacteria, fungi and algae) and biofilm
dwellers, compiled from the literature. For instance, Aphelenchoidida nematodes
have mouth parts that allow them to pierce the hyphae of biofilm fungi and feed
on them (Weitere et al., 2018). As strong argument for the link between decom-
posing plant leaf litter and populations of microscopically small metazoans was
made by Majdi and Traunspurger (2017) who showed that isotopic signature of
grazing nematodes and copepods is closely linked to leaf litter, especially in autumn
(Majdi & Traunspurger, 2017). Needless to say that trophic interactions in these
micro-worlds have to be painstakingly established via time consuming methods
(often microscope observations) and these are summarised in helpful reviews (Majdi
et al., 2019; Weitere et al., 2018). These reviews, and the aquatic biofilm litera-
ture, point towards an important role of protozoans and micro-metazoans in detrital
processing—including leaf litter decomposition.

11.3 Is Identification Key?

I would argue that incorporating protozoans and micro-metazoans into leaf litter
decomposition studies is mainly hampered by the ‘tradition’ in the ‘field of decom-
position’ rather than methodology. For most decomposition studies, a main aim will
be to estimate the potential of all decomposers to contribute to the process (i.e.,
their metabolic power, see Sect. 11.5) and sometimes a rather ‘crude’ approach will
suffice, such as measuring respiration in the light and dark (e.g., via oxygen probes
in a laboratory set-up, such sensor dishes [SDR SensorDish®]) to get an estimate for
autotroph vs. heterotroph activity. The latter estimate can give an indication about
the presence and role of animal-like heterotrophs (protozoans and micro-metazoans)
on leaf biofilm given biomass of other heterotrophs (bacteria and fungi) is estimated
at the same time (e.g., stain and count of bacteria and ergosterol method for fungi). A
straightforward and cost-effective way is to identify and count protozoans andmicro-
metazoans per area of leaf surface. An overview of the main taxonomic keys and
counting methods can be found in (Reiss & Schmid-Araya, 2008) and (Reiss, 2018)
but a beginner will find the book ‘Das Leben im Wassertropfen’ (Streble & Krauter,
2001) and the website ‘plingfactory’ (Plewka, 2020) very useful and be able to iden-
tify to group level using the drawings and microscope photos respectively. The main
laboratory method is to use a counting chamber (e.g., Fuchs-Rosenthal counting
chamber) under a light microscope using 100 times and 400 times magnification
(e.g., Reiss et al., 2019).

Lastly, molecular ecology allows using tools that help non-specialists to iden-
tify bacteria, fungi and algae in biofilm (Sigee, 2018) and indeed sequencing
and eDNA techniques are ever advancing and these methods have already been
used in soil and plankton studies for protozoans (Seppey et al., 2017) and
micro-metazoans (Yang & Zhang, 2020) respectively. Taken together, these three
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approaches (measuring heterotrophic activity, microscope identification and molec-
ular ecology) will hopefully contribute to shedding light into the ‘black box’ (that
currently is a good metaphor for the role of protozoans and micro-metazoans in leaf
litter decomposition).

11.4 Do Protozoans and Micro-metazoans Play a Role
in Leaf Litter Decomposition? What Is the Evidence?

Reviews synthesising the vast field of plant leaf litter decomposition (Abelho, 2001;
Gessner et al., 2010) largely ignore protozoans and micro-metazoans, especially in
conceptual figures for leaf litter decomposition. However, a study by Majdi and
Traunspurger (2017) demonstrates that micro-metazoans (meiofaunal nematodes,
harpacticoid copepods and chironomids) derive a large amount of their energy from
leaf litter (compared to filamentous algae, macrophytes and FPOM) and the authors
speculate that this is mainly due to feeding onmicrobes growing on the leaves (Majdi
& Traunspurger, 2017). The purpose of this chapter is to incorporate protozoans
and micro-metazoans into the existing leaf litter decomposition frameworks (e.g.,
Abelho, 2001; Canhoto & Graça, 2008; Gessner et al., 2010) and it seems obvious
to first address the question: how abundant are protozoans and micro-metazoans
on decomposing leaves? Evidence comes from a hand-full of field studies (Table
11.1) that have counted and identified protozoans and micro-metazoans on leaves
or decomposing material (Albertoni et al., 2020; Brüchner-Hüttemann et al., 2019;
Franco et al., 1998; Peralta-Maraver et al., 2019).

Afield study byPeralta-Maraver and colleagues (2019) showed the relative impor-
tance of prokaryotes, protozoans andmicro-metazoans on decomposition (Fig. 11.2).
They exposed cotton strips and two types of commercially available tea bags in 30
UK streams (both in the benthic and hyporheic zone). These were retrieved from the
streamsafter 29 to61days, dependingonfloodconditions in the stream.Bacteriawere
counted via flow cytometry and their activity was assessed with the Biolog EcoPlate
System (Biolog Inc.). Flagellates, ciliates and micro-metazoans were counted under
a stereomicroscope. All groups were abundant in- and on the decomposition bags,
with up to 450 (± 36SE) and 15 (± 6SE) ind./bag for protozoans and micro-
metazoans respectively. In fact, the biomass of protists and micro-metazoans was
highly correlated with decomposition (Peralta-Maraver, 2019; Fig. 11.2).

A field study by Franco et al. (1998) followed the colonization and succession of
ciliates on different leaf types submerged in a stream over the course of five weeks.
On a weekly basis, ciliates present on the leaves were identified and assigned to
groups based on their feeding type. The authors found that all feeding groups were
present on all substrates and 20–35 ciliate species co-existed within a few squared
centimetres.

Following on from this we can now speculate about the potential roles of proto-
zoans and micro-metazoans when it comes to leaf litter decomposition. From an
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Table 11.1 Studies that have investigated the presence of protozoans and micro-metazoans on
plant litter and/or role of these groups on detrital decomposition

Authors Study and organisms Main results

Field studies Brüchner-Hüttemann
et al. (2019)

Natural leaf biofilm
community on
submerged leaves
(bacteria, protists) was
monitored in a stream
for 13 months

Ciliates made up the
highest percentage of
total annual biomass in
sediment and on dead
wood and leaf litter,
whereas on
macrophytes, bacteria
had the highest
percentage of total
annual biomass. On all
substrates, ciliates had
the highest share of
secondary production

Peralta-Maraver et al.
(2019)

Bundles consisting of
cotton strips and tea
bags were exposed in 30
streams. Presence of
bacteria, protists and
micro-metazoans was
recorded. There was one
sampling occasion

Biomass of all the
studied biotic groups
was positively related
to the decomposition
coefficients. Biomass
of protists was the
same as bacteria and
micro-metazoans.
Alpha-diversity of
micro-metazoans also
had a positive influence
on leaf litter
decomposition

Franco et al. (1998) Natural ciliate
community on
submerged leaves in a
stream was observed
over 2 weeks

20–35 ciliate species
co-existed and the
majority were filter
feeders

Majdi and
Traunspurger (2017)

Meio- and macrofauna,
filamentous algae,
macrophytes, leaf litter
and FPOM were
sampled in the Furlbach,
a small lowland stream
in both spring and
autumn. δ13C and δ

15N isotopic signatures
were established

Compared to the other
food sources, leaf litter
was the dominant
source of carbon for
grazing nematodes and
harpacticoid copepods
in autumn and also a
main source of carbon
for chironomids

(continued)
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Table 11.1 (continued)

Authors Study and organisms Main results

Albertoni et al. (2020) Decomposing
macrophytes in a lake
and presence of
bacteria, fungi and
micro-metazoans was
monitored over 18 days

Nematodes,
micro-crustaceans
(ostracods, copepods,
cladocerans),
turbellarians and
chironomids were
present on
decomposing plants

Laboratory studies Santschi et al. (2018) Alder, beech, poplar and
oak leaves and natural
microbial decomposer
community consisting
of bacteria, fungi and
protists were kept at
10 °C, for 72 days

Microbial
communities, with a
reduced functional and
trophic complexity,
showed a small but
significant overall
reduction in
decomposition rates
compared to
communities with the
naturally complete
functional and trophic
complexity

Risse-Buhl et al.
(2015)

The experiment was
performed with alder
leaves, fungus Heliscus
lugdunensis and a
multi-species bacterial
assemblage in the
presence of the ciliate T.
pyriformis; at 18 °C

The fungus and the
multi-species bacterial
assemblage was
significantly enhanced
in the presence of T.
pyriformis after 7 days
of incubation

Ribblett et al. (2005) The experiment was
performed with elder
leaves, bacteria, the
ciliate Dexiostoma
campyla and the
flagellate, Spumella sp.;
at 10 °C

The presence of
protists increased leaf
litter decomposition
and decreased bacterial
abundances

Chambord et al. (2017) The experiment was
performed with alder
leaves, fungi and the
cladoceran C.
sphaericus and copepod
Cyclops bohater, with
and without Gammarus
pulex and Sericostoma
personatum; at 10 °C

The presence of
microcrustaceans
enhanced leaf mass
loss by 62 and 22% in
treatments with fungi
or trichopteran,
respectively

(continued)
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Table 11.1 (continued)

Authors Study and organisms Main results

Unpublished data from
Flores et al. (2016)

The experiment was
performed with alder
leaves, the copepod
Cyclops viridis, Asellus
aquaticus and
Gammarus pulex; at
15 °C

Leaf mass loss in
microcosms with
Cyclops was the same
as for Asellus or
Gammarus (because
metabolic capacity had
been accounted for)
despite the fact that
Cyclops feeds on
biofilm and not the leaf
material
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Fig. 11.2 Examples for data collected in the study by Peralta-Maraver et al. (2019) that exposed
‘decomposition bags’ (consisting of bundled cotton strips, green tea and roibush tea bags) in 30
streams across the UK and retrieved them after 30 days. Shown here are data from some of these
streams (selected out of 30 becausemicro-metazoanswere present). The abundance of ciliates (mean
± SE from 3 replicates, lowest panel) was substantial in some of the decomposition bags (e.g.,
river Crowdudle > 300 ciliates were in the cotton strip and tea bag bundle). The micro-metazoans
(meiofauna) did not exceed 15 individuals in a sample (middle panel). There is a trend for higher
decomposition (most upper panel) when micrograzer abundance is high. However, not shown here,
are the much more significant correlations between protozoan and microscopic metazoan biomass
and decomposition rates of all three substrates (see Peralta-Maraver et al., 2019)
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ecosystem functioning perspective, we might even ask if their presence speeds leaf
litter decomposition up. Biofilm literature has highlighted the resistance of bacte-
rial biofilms to grazing within the microbial food web and established that the main
effect of protozoans andmicro-metazoans is on biofilm phenotype rather than biofilm
biomass. However, aquatic groups working on natural river biofilms argue that proto-
zoans andmicro-metazoans have direct feeding effects on biofilm (Arndt et al., 2003;
Weitere et al., 2018). Again, the study by Peralta-Maraver et al. (2019) possibly
provides the strongest evidence for a link between micro-grazers and decomposition
to date (Fig. 11.2). This study showed a general pattern for both the benthic and
hyporheic zone: decomposition rates were positively correlated with the biomass of
each of the 4 organismal groups studied (prokaryotes, flagellates, ciliates and micro-
metazoans). In addition, α-diversity of micro-metazoans and metabolic diversity of
prokaryotes were important predictors that were positively related to decomposition
coefficients (Peralta-Maraver et al., 2019).

These findings are, to some degree, backed up by laboratory studies that have
addressed indirect effects of protists (Ribblett et al., 2005; Risse-Buhl et al., 2015)
andmicro-metazoans (Chambord et al., 2017; Flores et al., 2016). These studies have
found significant differences in leaf litter decomposition when these groups were
present (Table 11.1). Combined these findings are complex and call for theoretical
approaches that can give insights into the mechanisms that underlie the effects of
protozoans and micro-metazoans.

11.5 Theoretical Approach to Assess Possible Indirect
Effects of Protozoans and Micro-metazoans

Decomposition is more than the sum of bacteria, fungi and macrofauna feeding on
decomposing material and indeed rather the result of more multifaceted food web
interactions.All foodwebs are complex networkswith direct and indirect interactions
and intricate feedback loops in which energy is of course lost from one trophic level
to the next but at the same time a part of this energy (e.g., biomass) is recycled
and transformed. In the field, renewal of biomass on leaf biofilm is probably quite
high, as bacteria, fungi and algae will use nutrients from the water interface—leaf
biofilm does not represent a closed system. Contributing to this biomass are (epi-)
benthic protozoans, micro-metazoans and macro-invertebrates that are all temporary
residents on leaves and their community composition and biomass will change over
time.

Still, principles established in ecological theory and research apply when we
consider the role of protozoans andmicro-metazoans in leaf litter decomposition and
three main ‘theoretical’ concepts should be considered here and will be discussed in
turn:

1. Secondary production (and therefore energy uptake from the leaf by
heterotrophs) is invariant of body size within trophic level and decreases with
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body size across trophic levels (Huryn & Benke, 2007); within closed systems
(closed food webs).

2. The presence of protozoans and micro-metazoans can have counterintuitive
effects on leaf litter decomposition because their grazing on bacteria and fungi
can have a variety of effects: it can decrease the biomasses of the latter groups,
it can free one group from competition and it can also enhance metabolic power
of biofilms.

3. Leaves are substrates for micro-worlds but are not the only energy and nutrient
source as they represent a link between different habitats—in other words,
bottom-up effects (e.g., via food quality and quantity for bacteria) are also
driven by abiotic factors in the open water and the fact that the biofilm is acces-
sible for both benthic and pelagic micro-consumers. Weitere et al. (2018) call
this ‘across-habitat subsidization of resources and consumers’.

Of course, many other ecological principles apply (such as the role of micro-
invertebrate biodiversity effects on leaf litter decomposition [Reiss et al., 2009,
2011]), but the focus of this chapter is to distil some aspects of ecological theory that
specifically apply to leaf litter decomposition by protozoans and micro-metazoans.
Ideally, this chapter should be read in conjunction with Chapters 7 and 9 where more
theoretical concepts are explored.

First, I will discuss the metabolic power of assemblages composed of microscopi-
cally small decomposers and their consumers. The message of this section is simple:
microscopically small organisms, including protozoans andmicro-metazoans, have a
substantial combined biomass and, compared to macroscopic fauna, they can assimi-
late the sameor greater amounts of energy fromdecomposing leaves. The relationship
between production and biomass (the P/B ratio; it indicates how often biomass is
turned over per year) has been well studied for aquatic macro-invertebrates (Huryn&
Benke, 2007) and, to a lesser extent, for microbes (Marxsen, 2006), including proto-
zoans and micro-metazoans (Reiss & Schmid-Araya, 2010). We know that small
organisms have higher P/B ratios compared to larger ones (Huryn & Benke, 2007)
because their generation times are shorter and biomass is ‘renewed’ more frequently
throughout the year. When considering communities or assemblages of a wide range
of organisms, including invertebrates, ecological theory predicts that secondary
production of heterotrophs is invariant of body mass within trophic levels (Fig. 11.3;
Brown et al., 2004). In other words, this means that the standing stock of biomass of
protozoans and micro-metazoans might be smaller than that of macro-invertebrates,
but this biomass is turned over more quickly (higher P/B value) and therefore the
metabolic power represented by each group (i.e., protozoans, micro-metazoans and
macrofauna) can be very similar. This means that populations (or assemblages) of
small organisms, over time, will assimilate the same amount of energy as larger
organisms, given they can reach the same biomass as larger organisms. As a rule of
thumb, carbon uptake per unit time (e.g., gC/year) is higher for the same biomass
of small organisms compared to larger ones in closed systems (Fig. 11.3). To make
exact predictions of how much energy is fluxed from decomposing leaves to a given
subset of the protozoan, micro-metazoan and macro-decomposer assemblage, it is
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Fig. 11.3 Carbon uptake per unit time (e.g., gC/year) is higher for small organisms compared
to larger ones if they have the same biomass and feed in closed systems (e.g., in a mesocosm).
This concept figure demonstrates production (which can serve as a proxy of carbon/energy uptake,
indicated with lines here) of body size bins within an assemblage feeding on leaf carbon and
leaf biofilm. The diagram has simplified assumptions: that there are 4 trophic levels in the leaf
decomposer assemblage, that energy is lost from one trophic level to the next in the same percentage,
and that all size groups operate within the same metabolic constrains

necessary to consider trophic levels (Fig. 11.3). Across trophic levels, the relation-
ship between body mass and production is negative because energy is lost from one
trophic level to the next (Fig. 11.3; Brown et al., 2004; Huryn & Benke, 2007).

We can safely assume that three trophic levels will be present within both micro-
and macroinvertebrates, as primary, secondary and tertiary consumers are found in
both groups (Majdi & Traunspurger, 2017; Tachet et al., 2010; Weitere et al., 2018).
Hence, in theory, production within and across the groups scales negatively with
body mass (Fig. 11.3) because energy is lost between trophic levels. Regarding the
latter, energy transfer calculations often assume a fixed predator to prey body mass
ratio (e.g., one order of magnitude on log axes, Brown et al., 2004). However (and
here comes the caveat), microscopically small organisms operate quite differently
compared to larger ones. To give two examples here: the way metabolism scales
with body mass is very different for prokaryotes, protists and metazoans (DeLong
et al., 2010) and also predator:prey body mass ratios are very different indeed. To
give an example, we can consider the species rich ciliates—a group in which body
size can vary by 4 orders of magnitude (Fig. 11.3). Body mass (in theory) scales
with metabolic rate (of size bins) to the power of 1 on logarithmic axes (DeLong
et al., 2010) which is different to metazoans (scaling exponent is often close to 0.75
for this group; DeLong et al., 2010); and many predatory ciliates will feed on prey
that is the same size as themselves (Foissner & Berger, 1996). Obviously controlled
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laboratory experiments offer an excellent approach to rigorously study these aspects
of energy transfer from the leaf to the protozoans and micro-metazoans. Readers
who are new to allometric theories and plan laboratory set-ups with decomposing
leaves are directed to publications on allometric scaling principles (Brown et al.,
2004; DeLong et al., 2010; Huryn & Benke, 2007; Reiss, Forster, et al., 2010) and
approaches to laboratory studies (Chapter 20, Altermatt et al., 2015; Reiss, Bailey,
et al., 2010).

Another theoretical concept concerns the relative importance of top-down effects
and stimulation of bacterial biofilm and/or fungal biomass, harking back to the
concept of grazing optimization and nutrient cycling in theoretical ecology (De
Mazancourt et al., 1998). Micro-grazers potentially impact bacteria and fungi by
a range of mechanisms, such as feeding effects (e.g., feeding on less active bacteria
and food selection or preferential feeding on bacteria that frees fungi from compe-
tition), and also by bioturbation and waste products that stimulate prokaryote and
fungal growth. To give an example, we can picture a bacterial biofilm growing on a
leaf that is grazed by flagellates, ciliates, rotifers and nematodes. Intuitively, these
bacterivorous protists and micro-metzoans should reduce bacterial abundances and,
consequently, lower decomposition rates. However, empirical studies have often
found the opposite result: an increase in decomposition rates in the presence of
bacterivorous protozoans and micro-metazoans (Ribblett et al., 2005). Ecological
studies on biofilm grazing by protozoans and micro-metazoans can give answers
in this regard (Arndt et al., 2003; Risse-Buhl et al., 2012; Weitere et al., 2018)
but we can also branch out into the biomedical literature that is very advanced
when it comes to detailed, micro-scale, findings regarding how pathogenic bacterial
biofilms gain higher resistance and activity. For example, bacteria grow on metabo-
lites excreted by other bacterial species (this is called cross-feeding (Adamowicz
et al., 2018)). Transferred to natural biofilms this means that high bacterial diver-
sity could result in high biofilm activity and biomass. Because micro-grazers can
feed selectively on particular bacteria (Boenigk et al., 2002; Wey et al., 2008) they
could both induce or inhibit bacterial diversity, depending on which micro-grazers
are present. Bacterivorous protists have been found to stimulate a high turnover of
bacteria (prokaryotes are kept in the accelerating phase of their logarithmic growth
(Fenchel & Jørgensen, 1977)) leading to a better physical state and higher metabolic
capacity of the bacterial community and this can consequently enhance decomposi-
tion. In ‘biofilm-macrofauna’ ecology (e.g., diatoms grazed by snails), it is generally
thought that herbivores can stimulate (algae) biofilm growth by decreasing biofilm
thickness, suppressing dead cells, and rendering it more “functional” (Burgmer et al.,
2010; Liess & Hillebrand, 2004). Important in the context of leaf litter decomposi-
tion is that somemicro-metazoans (especially nematodes) can feed on fungi (Weitere
et al., 2018) and could hence play a disproportionally large role in structuring leaf
biofilm.

To add yet another dimension to the control of bacteria and fungi, we have to
mention trophic cascades within the microbial food web (Wey et al., 2008) and
across-habitat subsidization of resources and consumers (Weitere et al., 2018). The
balance between top-down control and stimulating effects is further modified by the
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presence ofmultiple trophic levels. For example,Wey et al. (2008) showed that single
bacteria (in contrast to colony forming ones) are released from grazing pressure by
flagellates when predatory ciliates are present, possibly through a trophic cascade.
Other micro-predators include copepod species and often these are epi-benthic or
planktonic species that will feed on biofilms. Weitere et al. (2018) show that up to
4 trophic levels exist in micro-worlds and propose that in terms of flux of matter
and energy, the large number of trophic levels suggests substantial energy loss and
re-cycling within biofilms.

Across-habitat subsidization of resources is a common phenomenon that can have
considerable effects on the productivity and dynamics of the receiving community
(Pace et al., 2004; Perkins et al., 2021;Wallace et al., 2015). It is commonly accepted
in biofilm research that the majority of dissolved nutrients and organic carbon taken
up by biofilm algae and bacteria originates from the water column. However, the
subsidization at the level of benthic micro-consumers has received less attention (but
seeChapter 3). By existing at the interface between substratumand plankton, biofilm-
dwelling organisms can potentially utilize both suspended and surface-associated
resources.

11.6 Synthesis and Where Do We Go from Here

The overall conclusion from this chapter must be that the role of protozoans and
micro-metazoans is understudied in general and especially in plant litter decomposi-
tion research. Laboratory experiments could be the way forward and hopefully this
chapter has shown that it is important to know the identity of the microbe species
that are present on the leaves—and their abundances and activities (see Reiss, 2018;
Reiss & Schmid-Araya, 2008). Further, we need to have an understanding of some
ecological theories that can explain how energy and nutrients from the leaves can
fuel micro-worlds. Important in this regard are publications on foodweb links (Majdi
et al., 2019; Ptatscheck et al., 2020; Weitere et al., 2018) and those on theoretical
principles (e.g., Altermatt et al., 2015; Prosser et al., 2007; Reiss, Forster, et al., 2010;
Reiss & Schmid-Araya, 2010).
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Chapter 12
Individual and Interacting Effects
of Elevated CO2, Warming,
and Hydrologic Intensification on Leaf
Litter Decomposition in Streams

Jennifer J. Follstad Shah

Abstract Elevated atmospheric carbon dioxide (CO2) concentration, rising water
temperatures, and intensification of hydrologic regimes are characteristics of global
climate change that affect rates of leaf litter decomposition in lotic ecosystems.
Predicted effects of elevated atmospheric CO2 concentration and elevated tempera-
ture negate each other. However, a recent meta-analysis found no effect of elevated
atmospheric CO2 on decomposition, while temperature consistently stimulates rates
of decomposition. The sensitivity of litter decomposition to shifts in temperature is
less clear due to methodological differences between studies calculating the apparent
activation energy of decomposition and the multitude of biotic and abiotic variables
that enhance or mitigate the effect of temperature. Both floods and droughts are
becoming more frequent features of hydrologic regimes, but spatial and temporal
variation in hydrologic intensification adds further challenge for predicting how
climate change will alter decomposition rates. Despite these complexities, it is clear
that altered rates of litter decomposition have cascading influence on the global C
budget and food web dynamics. Thus, improved understanding of the individual and
interactive effects of elevated atmospheric CO2 concentration, warming, and shifting
hydrology on decomposition rates remains a vital research need.

12.1 Predicted Individual Effects of Elevated Atmospheric
CO2 Concentration, Warming, and Hydrologic
Intensification on Leaf Litter Decomposition

The decomposition of leaf litter is an integrative ecosystem process that fuels aquatic
food webs and links biogeochemical cycles (Gessner et al., 1999; Minshall et al.,
1983;Wallace et al., 1997). Thedecompositionprocess involves leachingof dissolved
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constituents, degradation by bacteria and fungi, feeding by invertebrate detritivores,
and physical fragmentation, all of which are mediated by the chemistry and physical
structure of leaves and environmental factors (Gessner et al., 1999; Graça, 2001;
Webster & Benfield, 1986). Elevated atmospheric carbon dioxide (CO2) concentra-
tion, rising water temperatures, and intensification of hydrologic regimes are central
features of the climate crisis that affect rates of decomposition in lotic ecosystems
through changes to decomposer metabolic rates and community composition, plant
productivity and leaf chemistry, and the supply of water and organic matter.

Human activities have caused global atmospheric CO2 concentration to increase
from 280 ppm at the start of the Industrial Revolution to over 400 ppm (IPCC, 2014).
Elevated CO2 induces terrestrial plants to be more productive through higher rates
of photosynthesis (Finzi et al., 2001; Stiling & Cornelissen, 2007), when nutrients or
moisture are not limiting (Norby et al., 2010; Perry et al., 2012). In turn, increased
terrestrial primary productivity can lead to greater detrital inputs to aquatic ecosys-
tems that support the process of decomposition. However, greater availability of CO2

also results in leaf litter with higher C:nutrient ratios and higher concentrations of
polyphenolic compounds, condensed tannins, and lignin (Ferreira & Chauvet, 2011;
Martins, Rezende et al., 2017; Monroy et al., 2016; Rier et al., 2002, 2005; Tuchman
et al., 2002), factors that often suppress rates of decomposition (Ardón & Pringle,
2008; Lecerf & Chauvet, 2008; LeRoy et al., 2007; Martínez et al., 2014; Ostrofsky,
1997). Moreover, elevated atmospheric CO2 concentration promotes more acidic
conditions in streams and rivers with poor buffering capacity. Litter decomposition
proceeds more slowly with declining pH because acidic conditions suppress micro-
bial and detritivore activity (Boyero et al., 2016;Young et al., 2008). Overall, elevated
atmospheric CO2 concentration is predicted to inhibit rates of litter decomposition
(Amani et al., 2019; Kominoski & Rosemond, 2012; Fig. 12.1a).

Mean global air temperature has risen by approximately 1.0 °C above pre-
industrial levels as a result of elevated CO2 concentration (IPCC, 2018) and increases
in water temperature have been observed in many streams and rivers (Kaushal et al.,
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Fig. 12.1 Theoretical effects of CO2 concentration (a), temperature (b), and water discharge (c)
on leaf litter decomposition in streams and rivers. Shading in (c) denotes flushing of organic matter
standing stock during high flow conditions
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2010). Temperature is a key environmental factor that influences the rate at which
organicmatter is processed (Tank et al., 2010;Webster&Benfield, 1986;Young et al.,
2008). Elevated temperature, within species tolerance limits, increases litter decom-
position by stimulating metabolic rates of extant bacteria, fungi, and invertebrate
decomposers (Ferreira&Chauvet, 2011; Ferreira, Chauvet et al., 2014; Ferreira et al.,
2010; Flury & Gessner, 2011; Moghadam & Zimmer, 2016; Rajashekhar & Kaveri-
appa, 2000). In addition, higher temperatures typically favor smaller bodied organ-
isms (Atkinson, 1994; James, 1970), which have faster metabolic rates than larger
bodied organisms (Gillooly et al., 2001). Higher temperature also promotes leaching
of organic matter, which can result in faster litter decomposition by removing recal-
citrant compounds (Rier et al., 2005). Litter decomposition is predicted to increase
exponentially with temperature (Boyero, Pearson, Gessner et al., 2011; Follstad Shah
et al., 2017; Fig. 12.1b), based on first principles of thermodynamics (see Theory
below). However, temperature and other extrinsic (e.g., resource availability, stream
flow) or intrinsic (e.g., leaf litter quality) factors may co-vary, potentially dampening
or enhancing the effect of temperature on litter decomposition rates (Fig. 12.2).

Global precipitation patterns are shifting in response to elevated atmospheric and
marine temperature (IPCC, 2014), leading to altered flow regimes in streams and
rivers (Hattermann et al., 2017; IPCC, 2008). Average annual runoff is expected to
increase in high latitudes and the wet tropics, and to decrease at mid-latitudes and
in dry tropical regions (IPCC, 2014; Rodell et al., 2018). Snowmelt-fed regions will
likely exhibit consistently earlier peak flows, except in limited areas where increases
in precipitation are expected to augment snow accumulation (IPCC, 2014). Changes
to flow regimes aremore varied in other areas (Gosling et al., 2017; IPCC, 2014). Yet,
intensification of hydrologic events, in terms of both floods and droughts, is expected
in many regions as climate patterns shift (Grimm et al., 2013; IPCC, 2008). Greater
frequency of punctuated high flow events will increase the delivery of sediments,
organic matter, and contaminants (Grimm et al., 2013). Heavy flow events can lead
to faster decomposition of organic matter through physical fragmentation (Paul et al.,
2006), unless flows bury litter standing stock with fine sediment, transport toxins and
pharmaceuticals that suppress the metabolism of aquatic decomposers, or deplete
individual stream reaches of organic substrates by flushing aquatic primary producers
and detritus downstream (Roberts et al., 2007; Rosi-Marshall et al., 2013; Young
et al., 2008). In consequence, increased stream flashiness can affect rates of litter
decomposition in a non-linear fashion.

Increased prevalence of streams and rivers with intermittent or ephemeral flow,
particularly in regions with reduced rainfall and greater reliance on water storage in
reservoirs, represents the other extreme of hydrologic intensification (Acuña et al.,
2014; Datry et al., 2018). In short, the hydrological regimes of intermittent rivers
and ephemeral streams are characterized by alternating flowing, non-flowing and dry
phases (del Campo et al., 2020). Litter accumulation, processing, and downstream
transport vary in importance amongst phases, resulting in high temporal and spatial
variability of litter decomposition. Gradual re-wetting events can stimulate high
rates of litter processing in situ, whereas pulsed high flow re-wetting events can
result in export of accumulated leaf litter. Greater variability of hydrologic flow in
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Fig. 12.2 Example mechanisms that influence the temperature dependence of leaf litter decompo-
sition, depicted in the form of Arrhenius plots that visualize the relationship described in Eq. 12.2.
The x-axis in (a–c) is normalized inverse temperature, where kB is Boltzmann’s constant (8.62 ×
10–5 eV K−1), T is temperature in Kelvin (K), and T0 is a standard temperature. This normalization
centers the data at 0 on the x-axis and allows for interpretation of the intercept at the standard
temperature. Temperatures cooler than the standard temperature are plotted to the left of 0, warmer
temperatures to the right of 0. The y-axis is the natural logarithm of the decomposition coefficient
(kD, day−1). The slope of the relationship quantifies the apparent activation energy (Ea, eV). The
solid black line in (a) represents the predicted value of Ea, based on Metabolic Scaling Theory
(0.65 eV; Brown et al., 2004). This value is very similar to the Ea of cellulose strip decay in streams
(0.68 eV; Tiegs et al., 2019). The colored dashed lines in (a) depict values of Ea observed in
temperate (turquoise; 0.27 eV) and tropical (green; 0.75 eV) biomes (Follstad Shah et al., 2017). In
temperate biomes, rates may be higher than predicted in cooler water due to acclimation of microbes
and detritvores to seasonal pulses of allochthonous c inputs, but lower than predicted in warmer
water due to the supply of labile plant litter that decomposes rapidly. The colored lines in (b, c)
represent streams and rivers categorized by trophic status: oligotrophic (gray), mesotrophic (blue),
and eutrophic (red). Increasing nutrient availability can stimulate rates of decomposition (Ferreira,
Chauvet et al., 2014; Rosemond et al., 2015), as illustrated by shifts in intercepts amongst systems
with different trophic status (b, c). If rates increase similarly across the thermal spectrum, the Ea
may remain constant amongst trophic groups (b; Jabiol et al., 2020). However, nutrient toxicity
in eutrophic systems can suppress rates of decomposition, especially when aquatic organisms are
near thermal maxima (Woodward et al., 2012). This phenomenon could induce shifts in both the
value of Ea (i.e., slope) and the rate of decomposition at the standard temperature (i.e., intercept)
in eutrophic systems (c). More details are described in the text (see Modulation of temperature
sensitivity by biotic & abiotic factors)

river networks increases the relative importance of reservoirs for processing organic
matter, as a greater fraction of detritus is transported in pulse events to these receiving
water bodies (Acuña & Tockner, 2010). The effects of hydrologic intensification on
litter decomposition are not unidirectional, unlike the effects of elevated CO2 and
temperature, but may be characterized as a unimodal pattern, where absence of flow
severely restricts decomposition, rates increase towards a metabolic maximum as
moisture becomes non-limiting, and high flow events flush organic matter from the
system (Fig. 12.1c).
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Here, I summarize studies that have tested predictions illustrated in Fig. 12.1 by
quantifying 1) the effect size of elevated atmospheric CO2 concentration and temper-
ature on litter decomposition relative to controls, and 2) the temperature dependence
of litter decomposition. I also assess how elevated atmospheric CO2 concentration,
elevated temperature, altered hydrologic regimes, and other major global changes
(e.g., eutrophication)may interact to affect litter decomposition in streams and rivers.
Finally, I describe how changes to organic matter processing in lotic ecosystems may
influence the global C cycle and aquatic food webs.

12.2 Effect Size of Elevated Atmospheric CO2
Concentration and Warming on Litter Decomposition

12.2.1 Elevated Atmospheric CO2 Concentration

Amani et al. (2019) conducted ameta-analysis to assess the effects of elevated temper-
ature, elevated CO2 concentration, and their interaction on litter decomposition rates
in streams and rivers. Elevated CO2 concentration had no effect on decomposition
rates relative to controls, contrary to the authors’ prediction (Fig. 12.1a), perhaps
because differences in leaf quality induced by elevated CO2 are more subtle rela-
tive to the wide variation observed amongst different plant genera. In addition,
leaching of leaf litter can mitigate differences in leaf quality induced by elevated
CO2 (Ferreira et al., 2010; Rier et al., 2005), conditioning by colonizing microbial
communities (Ferreira et al., 2010), or the diversity of decomposers present (Rier
et al., 2005). Amani et al. (2019) also found that the combined effects of elevated
atmospheric CO2 concentration and elevated temperature had no effect on decompo-
sition rates relative to controls, perhaps due to the opposing influence of these factors
on decomposition (Fig. 12.1a,b). However, the sample sizes used for comparisons
were small (<20 paired control-treatment observations), suggesting their results are
not broadly generalizable. Other studies have indicated that temperature has a greater
influence on leaf litter decomposition relative to elevated atmospheric CO2 concen-
tration (Ferreira & Chauvet, 2011; Martins, Melo et al., 2017). Amani et al. (2019)
concluded that additional studies are required to assess the role of elevated atmo-
spheric CO2 concentration and its interaction with elevated temperature on litter
decomposition. Specifically, they urged that individual studies manipulate both CO2

and temperature, utilize fast and slow decomposing litter types, and assess the role of
both microbes and detritrivores. They also recommended that more of these studies
be carried out in the tropics.
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12.2.2 Elevated Temperature

The meta-analysis conducted by Amani et al. (2019) showed that elevated temper-
ature (+1 °C or more) increased rates of litter decomposition with an effect size
(Hedge’s g;Hedges et al., 1999) of 1.20 (95%CI: 0.96–1.43). Stimulation of decom-
position rates with elevated temperature was observed across natural streams (both
correlative [n= 71] andmanipulative studies [n= 20]) and laboratory experiments (n
= 57), as well as along latitudinal gradients (n = 22), with an effect size > 1 in these
four study types. Elevated temperature stimulated decomposition rates to a lesser
extent (effect size < 1) along altitudinal gradients (n = 32). The effect of elevated
temperature was large (> 0.80) for total litter decomposition (mediated by both
microbes and detritivores) in all scenarios, whereas microbial-driven litter decom-
position was strongly stimulated only in manipulative field studies conducted in an
oligotrophic, low temperature stream (mean temperature of 2.8 °C) using Quercus
leaves (a slow decomposing litter type). Elevated temperature augmented decompo-
sition rates of leaf litter from somegenera, but not others, and depended on study type.
For example, decomposition of both Alnus (a fast decomposing litter) and Quercus
significantly increased in laboratory studies (effect size > 1), but not along altitudinal
gradients (non-significant effect size). However, in all but one study type, the sample
size used to calculate genus-specific effect sizes was small (≤13), prohibiting broad
generalization. The meta-analysis by Amani et al. (2019) demonstrates that elevated
temperature generally promotes faster rates of leaf litter decomposition in freshwater
ecosystems, but the type of leaf litter present and the degree to which microbes and
detritivores contribute to leaf litter processing may modulate its effect.

12.3 Quantifying the Temperature Dependence of Litter
Decomposition

12.3.1 Theory

Increased capacity to predict changes to ecosystem process rates with shifts in
temperature is needed to better assess the effect of global warming on organic
matter decomposition. Metabolic Scaling Theory purports that ecosystem flux rates
reflect the combined metabolic rates of individuals within the ecosystem, and can
thus be predicted from allometric and thermal scaling relationships (Brown et al.,
2004; Enquist et al., 2003). The theory assumes that resources are in steady state
supply (Brown et al., 2004). Under such conditions, allometric scaling relationships
for individual metabolic rate and the density of organisms in a population using a
common resource are predicted to be the inverse of one another, leading to mass
invariant community energy flux rates (Damuth, 1981; Enquist & Niklas, 2001).
This phenomenon, called the ‘energy equivalence rule’, suggests ecosystem flux
rates should be invariant with biomass standing stock, yet still dependent on shifts
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in temperature (Enquist et al., 2003). If so, then the magnitude of change in litter
decomposition rates with a given change in temperature (i.e., the temperature depen-
dence) can be quantified as an activation energy, using the linearized form of the
Arrhenius equation (Arrhenius, 1915):

In kD = In r0 − E × 1

kBT
(12.1)

where kD is the litter decomposition rate coefficient (day−1), r0 is a normalization
constant, E is the activation energy (eV; 1 eV = 1.6 × 10–19 J, or 96 kJ mol−1), kB
is Boltzmann’s constant (8.62 × 10–5 eV K−1), and T is temperature in Kelvin (K).

Typically, temperature data are centered using a normalization, such that values of
0 on the x-axis represent rates at a standard temperature (Allen et al., 2005; Demars
et al., 2016; Follstad Shah et al., 2017; Yvon-Durocher et al., 2012):

In kD = In r0 − E × (
1

kBT0
− 1

kBT
) (12.2)

where T 0 is the standard water temperature (e.g., the average observed temperature
in K). Empirical estimates of the activation energy are considered apparent (denoted
as Ea) rather than intrinsic (E) values, because it is difficult to isolate the effect of
temperature from the multitude of abiotic (e.g., stream discharge) and biotic (e.g.,
leaf litter quality) factors that influence rates of decomposition and the interaction
of these factors with temperature (Fig. 12.2). The values reported herein represent
apparent estimates of temperature dependence. EcosystemCflux rates should reflect
the average temperature dependence of organismalmetabolism (Enquist et al., 2003),
found to be ~ 0.65 eV (Gillooly et al., 2001; Table 12.1). Empirical data show that
the average Ea of a multitude of thermal biological response rates associated with
freshwater organisms is 0.77 eV (95% CI: 0.64–0.91 eV; Dell et al., 2011; Table
12.1).

12.3.2 Results from Past Studies

Several studies have quantified the temperature sensitivity of organic matter decom-
position in aquatic habitats, providing estimates that range from 0.34 to 0.68 eV for
microbe-mediated decomposition and 0 to 0.34 eV for total decomposition (Boyero,
Pearson, Gessner et al., 2011; Follstad Shah et al., 2017; Tiegs et al., 2019; Fig. 12.2;
Table 12.2). Boyero, Pearson, Gessner et al. (2011) conducted a litter decomposi-
tion experiment, using Alnus glutinosa leaves decaying in fine (0.5 mm) and coarse
(10 mm) mesh bags, at 24 sites spanning absolute latitudes ranging from 0.37° to
47.80°. Their experiment lasted 56 days and coincided with the dry season in the
tropics and autumn in temperate biomes. The Ea of litter decomposition (0.41 ±
0.21 eV) mediated by microbes differed from the Ea of total decomposition, which
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Table 12.1 Comparison of the apparent activation energy (Ea, eV) of metabolic rates by taxonomic
group. ‘NA’ denotes where data were not available

Category Metabolic
process

Taxonomic
group

Sample
size

Ea Citation

(#) (eV) 95% CI
(eV)

Plants

Respirationa Plants 67 0.66 NA Gillooly
et al. (2001)

Varied Plants 20 0.57 0.50–0.62 Dell et al.
(2011)

Microbes

Respirationa Unicells 30 0.76 NA Gillooly
et al. (2001)

Varied Unicells 12 0.51 0.32–0.68 Dell et al.
(2011)

Varied Fungi 4 0.95 0.75–1.15 Dell et al.
(2011)

Respiration Bacteria 205 0.59 NA Lopez
Urritia and
Moran
(2007)

Respiration Microbes 48 1.00 NA Jabiol et al.
(2020)

Respirationa Fungi 48 0.55 NA Jabiol et al.
(2020)

Production Bacteria 851 0.58 NA Lopez
Urritia and
Moran
(2007)

Production Bacteria 353 0.50 NA Lopez
Urritia and
Moran
(2007)

Production Bacteria 190 0.42 NA Lopez
Urritia and
Moran
(2007)

Production Bacteria 50 0.86 0.56–1.17 Sinsabaugh
and Follstad
Shah (2010)

Invertebrates

Respirationa Invertebrates 20 0.79 NA Gillooly
et al. (2001)

(continued)
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Table 12.1 (continued)

Category Metabolic
process

Taxonomic
group

Sample
size

Ea Citation

(#) (eV) 95% CI
(eV)

Varied Invertebrates 81 0.87 0.76–0.95 Dell et al.
(2011)

Varied Insects 128 0.63 0.47–0.78 Dell et al.
(2011)

Respiration Ephemeroptera NA 0.75–1.38b NA Shah et al.
(2019)

Respiration Ephemeroptera NA 0.56–0.84b NA Shah et al.
(2019)

Respiration Plecoptera NA 0.59–1.14b NA Shah et al.
(2019)

Respiration Plecoptera NA 1.23–1.24b NA Shah et al.
(2019)

Respiration Gammarus 48 1.15 NA Jabiol et al.
(2020)

Respiration Potamophylax 48 0.99 NA Jabiol et al.
(2020)

Respiration Sericostoma 48 0.55 NA Jabiol et al.
(2020)

Vertebrates

Respirationa Fish 113 0.43 NA Gillooly
et al. (2001)

Respirationa Amphibians 64 0.50 NA Gillooly
et al. (2001)

Respirationa Reptiles 105 0.76 NA Gillooly
et al. (2001)

Respirationa Bird &
mammals

142 0.78 NA Gillooly
et al. (2001)

Varied Vertebrate 127 0.51 0.36–0.67 Dell et al.
(2011)

Ecosystem

Varied Freshwater
organisms

89 0.77 0.64–0.91 Dell et al.
(2011)

Varied Marine
organisms

78 0.62 0.52–0.68 Dell et al.
(2011)

Varied Terrestrial
organisms

205 0.64 0.57–0.68 Dell et al.
(2011)

(continued)
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Table 12.1 (continued)

Category Metabolic
process

Taxonomic
group

Sample
size

Ea Citation

(#) (eV) 95% CI
(eV)

Trophic Group

Varied Producer 24 0.54 0.44–0.64 Dell et al.
(2011)

Varied Detritivore 4 0.46 0.00–0.97 Dell et al.
(2011)

Varied Herbivore 50 0.83 0.66–0.99 Dell et al.
(2011)

Varied Omnivore 100 0.63 0.53–0.73 Dell et al.
(2011)

Varied Carnivore 181 0.61 0.56–0.67 Dell et al.
(2011)

aMass-specific respiration rate
bConverted from reported range of Q10 values at temperatures considered not stressful to the
organisms studied. No average value was reported

was invariant with respect to temperature (Table 12.2). Follstad Shah et al. (2017)
synthesized a dataset of 169 studies conducted between absolute latitudes 0° to
60°, comprised of 1,025 observations (169 from fine mesh [≤ 1 mm], 856 from
coarse mesh [> 1 mm]) of litter decomposition for 85 plant genera. These authors
found a common value of Ea for litter decomposition mediated by microbes and
total decomposition (0.34 ± 0.04 eV; Table 12.1). However, they also found that the
Ea varied across temperate (0.27 ± 0.05 eV, 95% CI: 0.18–0.37 eV) and tropical
(0.75 ± 0.13 eV, 95% CI: 0.50–1.01 eV) biomes and amongst twelve plant genera
(Fig. 12.2). Tiegs et al. (2019) coordinated a global-scale standardized assay inwhich
cotton strips were deployed for 30 days in 514 streams spanning 140° latitude, with
representation from all of Earth’s biomes. The temperature dependence of cotton
strip decay, measured as the loss of tensile strength, was 0.68 eV. All of these studies
relied on mean temperatures reported during decomposition experiments, which is
an important caveat. A recent modeling effort shows that the use of central tenden-
cies of temperature can underestimate the value of Ea as compared to calculations
including variation in temperature over the course of leaf incubation (Tomczyk et al.,
2020).

The range of Ea estimates for litter decomposition in aquatic habitats is generally
lower than Ea values predicted by Metabolic Scaling Theory, as well as empirically
derived estimates of Ea for decomposition of plant roots, shoots, and large woody
debris in terrestrial habitats, and short-term rates of soil respiration, biofilm respi-
ration, and aquatic ecosystem respiration (Table 12.2). However, a study of benthic
respiration with small samples size found its temperature sensitivity to be similar to
the observed range of Ea estimates for litter decomposition (Table 12.2).
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Table 12.2 Comparison of the apparent activation energy (Ea, eV) of ecosystem processes. ‘NA’
denotes where data were not available

Process &
habitat

Type Method Sample
Size

Ea

(#) (eV) 95% CI
(eV)

SE Citation

Decomposition

Streams Leaf littera Field
experiment

22 0.41 NA 0.21 Boyero,
Pearson,
Gessner et al.
(2011)

Streams Leaf litterb Field
experiment

22 0.00 NA NA Boyero,
Pearson,
Gessner et al.
(2011)

Streams &
rivers

Leaf littera Data
synthesis

169 0.37 0.19–0.56 0.09 Follstad Shah
et al. (2017)

Streams &
rivers

Leaf litterb Data
synthesis

856 0.33 0.25–0.40 0.04 Follstad Shah
et al. (2017)

Streams &
rivers

Leaf litterc Data
synthesis

1025 0.34 0.27–0.40 0.04 Follstad Shah
et al. (2017)

Aquatic
mesocosms

Leaf litterb Lab
experiment

48 0.56 NA 0.53 Jabiol et al.
(2020)

Aquatic
mesocosms

Leaf litterc Lab
experiment

192 0.12 NA 0.31 Jabiol et al.
(2020)

Streams Cotton strip Field
experiment

360 0.68 NA NA Tiegs et al.
(2019)

Terrestrial Cotton strip Field
experiment

346 0.40 NA NA Tiegs et al.
(2019)

Terrestrial Root Data
synthesis

48 0.75 0.44–1.06 NA Allen et al.
(2005)

Terrestrial Plant litter Lab
experiment

75 0.53–0.92g NA NA Craine et al.
(2010)

Terrestrial Wood Field
experiment

2016 0.50 0.48–0.52 NA Hu et al. (2018,
2020)

Primary
production

Aquatic
mesocosms

Net Field
experiment

131 0.41 0.32–0.50 NA Yvon-Durocher
et al. (2010)

Aquatic
mesocosms

Gross Field
experiment

131 0.45 0.38–0.53 NA Yvon-Durocher
et al. (2010)

Geothermal
streams

Gross Field
experiment

13 0.54 NA 0.24 Demars et al.
(2011)

(continued)
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Table 12.2 (continued)

Process &
habitat

Type Method Sample
Size

Ea

(#) (eV) 95% CI
(eV)

SE Citation

Geothermal
streams

Gross Field
experiment

39 0.50 0.35–0.65 0.07 Demars et al.
(2016)

Streams Gross Field
experimente

222 1.15 NA 0.16 Demars et al.
(2016)

Streams Grossd Data
synthesise

222 0.92 NA 0.16 Demars et al.
(2016)

Streams Gross Field
experiment

292 0.71h NA NA Song et al.
(2018)

Terrestrial &
wetland

Net Data
synthesise

1599 0.00 NA NA Kerkhoff et al.
(2005)

Respiration

Biofilms Biofilm Lab
experiment

94 0.54 NA 0.12 Acuña et al.
(2008)

Geothermal
streams

Benthic Field
experiment

13 0.66 0.21–1.11 NA Perkins et al.
(2012)

Sediment Benthic Lab
experiment

13 0.47 0.31–0.63 NA Perkins et al.
(2012)

Soils Soil Data
synthesis

174 0.65 0.60–0.70 NA Allen et al.
(2005)

Soils Soil Data
synthesisf

133 0.41 0.28–0.54 NA Allen et al.
(2005)

Soils Soil Lab
experiment

420 0.85 NA NA Craine et al.
(2010)

Soils Soil Lab
experimentf

420 0.93 NA NA Craine et al.
(2010)

Soils Soil Data
synthesis

206 0.54–1.53g NA NA Craine et al.
(2010)

Streams Ecosystem Field
experimente

18 0.63 NA 0.17 Valett et al.
(2008)

Streams &
rivers

Ecosystem Data
synthesise

222 0.59 NA 0.10 Demars et al.
(2016)

Streams &
rivers

Ecosystemd Data
synthesise

222 0.44 NA 0.10 Demars et al.
(2016)

Streams Ecosystem Field
experiment

292 0.70 NA NA Song et al.
(2018)

Aquatic
mesocosms

Ecosystem Field
experiment

131 0.62 0.55–0.69 NA Yvon-Durocher
et al. (2010)

(continued)
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Table 12.2 (continued)

Process &
habitat

Type Method Sample
Size

Ea

(#) (eV) 95% CI
(eV)

SE Citation

Geothermal
streams

Ecosystem Field
experiment

13 0.67 0.17–1.17 0.23 Demars et al.
(2011)

Forest canopy Ecosystem Data
synthesis

8999 0.62 NA NA Yvon-Durocher
et al. (2012)

Non-forest
canopy

Ecosystem Data
synthesis

3271 0.70h NA NA Yvon-Durocher
et al. (2012)

Soils Ecosystem Data
synthesis

4160 0.65 NA NA Yvon-Durocher
et al. (2012)

Estuarine
pelagic

Ecosystem Data
synthesis

1018 0.59 NA NA Yvon-Durocher
et al. (2012)

Estuarine
benthic

Ecosystem Data
synthesis

443 0.63 NA NA Yvon-Durocher
et al. (2012)

Lake pelagic Ecosystem Data
synthesis

3666 0.63 NA NA Yvon-Durocher
et al. (2012)

Lake benthic Ecosystem Data
synthesis

428 0.55 NA NA Yvon-Durocher
et al. (2012)

Rivers Ecosystem Data
synthesis

154 0.58 NA NA Yvon-Durocher
et al. (2012)

Ocean
microbial

Ecosystem Data
synthesis

438 0.57 NA NA Yvon-Durocher
et al. (2012)

aMediated by microbes alone
bMediated by both microbes and detritivores
cPooled value across microbial and total decomposition
dDischarge-corrected rates
eRatesmeasured over one season. Other rates weremeasured on a short-term basis, unless noted otherwise
fRates measured over one year. Other rates were measured on a short-term basis, unless noted otherwise
gRange of reported values. No average value was reported
hMedian value

12.3.3 Modulation of Temperature Sensitivity by Biotic
and Abiotic Factors

The results of studies quantifying the temperature dependence of litter decomposition
vary, potentially, due to differences in methodology (i.e., standardized experiment
vs. data synthesis, sample size, timing and duration of assays, and organic substrates
assessed). However, factors that can affect the Ea of decomposition or co-vary with
temperature must also be considered. Interactions of these factors with temperature
may also help to explain the observed differences in the Ea of litter decomposition
relative to the temperature sensitivities of other types of organic matter utilization.
Some of these factors include the biogeography of detritivores and plant genera,
thermal acclimation capacity of biota, variation in litter quality, and variation in key
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environmental controls (Fig. 12.2). Each of these factors is explored in more detail
below.

Three studies have shown that temperature-corrected rates (i.e., reported per
degree-day) of total decomposition increase with absolute latitude (Boyero, Pearson,
Gessner et al., 2011; Follstad Shah et al., 2017; Irons et al., 1994), but themechanisms
driving this trend are not yet clear. Temperate streams generally have greater density,
relative abundance, and diversity of detritivores relative to streams in the tropics
(Boyero, Pearson, Dudgeon et al., 2011). Boyero, Pearson, Gessner et al. (2011)
hypothesized that greater densities of detritivores in temperate biomes relative to the
tropics contributed to elevated temperature-corrected rates of litter decomposition
at higher latitudes, thereby dampening the Ea. In other words, greater densities of
metabolically active detritivores can lead to faster rates of decomposition, despite
lower temperature. Detritivore density data withinAlnus leaf packs at half of the sites
studied by Boyero, Pearson, Gessner et al. (2011), where such data were available,
supported this hypothesis (loge detritivore density= 1.36+ 0.10 · latitude, r2 = 0.50,
P = 0.015, n = 11). In contrast, Follstad Shah et al. (2017) did not find a correla-
tion between detritivore density and absolute latitude for the subset of observations
within their global database that had the appropriate data to analyze (P > 0.05, n =
61). Irons et al. (1994) provided two alternative hypotheses for the observed posi-
tive correlation between temperature-corrected decomposition and absolute latitude.
First, they proposed that microbes may be less metabolically active in colder water
relative to detritivores. If so, the rate of temperature-corrected microbe-mediated
decomposition should decrease with absolute latitude. Second, they proposed that
detritivores may be more important than microbes to decomposition in temperate
zones. If so, temperature-corrected decomposition rate at higher latitudes should
be greater for detritivores than microbes. Results from Boyero, Pearson, Gessner
et al. (2011) and Follstad Shah et al. (2017) provided mixed support for these
hypotheses. The former study found that temperature-corrected, microbe-mediated
decomposition was invariant with respect to absolute latitude. In contrast, the latter
study found a positive correlation between temperature-corrected, microbe-mediated
decomposition and absolute latitude, suggesting that microbes also compensate for
lower temperatures in temperate biomes. In both studies, rates of total decomposi-
tion at higher latitudes were greater than rates of microbe-mediated decomposition.
However, new approaches have been developed to isolate the effect of detritivores
from total decomposition rates (Lecerf, 2017; Woodward et al., 2012). Application
of these approaches would allow for more robust testing of these hypotheses, and
help determine whether these mechanisms influence the Ea of litter decomposition.

Many streams and rivers receive seasonal pulses of organic matter inputs from
adjacent terrestrial habitats, particularly in temperate biomes. Yet, organic substrates
derived from both autochthonous and allochthonous sources can be scarce in heavily
shaded streams at the peak of the growing season, coincident with higher water
temperature in temperate biomes (Roberts et al., 2007). Based on these observations,
Follstad Shah et al. (2017) suggested that selection pressures on aquatic organisms
that utilize pulsed litter inputs at low temperatures could have led to physiological
adaptations (e.g., properties of enzymes and maximum growth rates associated with
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microbial communities; Bradford, 2013; Wallenstein et al., 2010); aquatic commu-
nity compositions (Dang et al., 2009; Findlay et al., 2008; Friberg et al., 2009; Handa
et al., 2014; Martínez et al., 2014; Strickland et al., 2015); functional redundancies
(Nelson et al., 2020); and trophic interactions (Rall et al., 2010) that facilitate high
activity at low temperature and rapid litter exploitation (Benstead & Huryn, 2011).
Evolutionary adaptations within both microbial and detritivore communities that
allow for utilization of pulsed resources at colder temperatures would promote the
observed relationship between temperature-corrected decomposition rates and abso-
lute latitude. Thermal acclimation via evolutionary adaption also helps to explain
the weaker temperature sensitivity of total decomposition observed in temperate
biomes relative to the tropics (Follstad Shah et al., 2017). This ‘thermal acclima-
tion hypothesis’ is somewhat supported by a recent study using controlled metabolic
chambers set at non-stressful temperatures (7.5 °C and 15 °C; Shah et al., 2019),
which showed that the respiration rate of Ephemeroptera species collected from
temperate streamshave aweaker temperature sensitivity than congeners from tropical
streams (Table 12.2). However, this pattern did not hold for Plecoptera species.Many
studies have been conducted to quantify the temperature sensitivity of metabolic
rates for microbes, invertebrates, and fish (Table 12.1). However, few have assessed
the temperature sensitivity of metabolic rates for aquatic organisms collected from
different biomes. Further experimentation or synthesis of existing data is required to
better test the thermal acclimation hypothesis.

Variation in light availability and seasonal pulses of organic matter inputs from
terrestrial vegetation to streams and rivers in temperate biomes violate the Metabolic
Scaling Theory assumption of steady state resource supply. More constant litter
inputs to tropical streams and rivers relative to temperate biomes may explain why
the temperature sensitivity of total decomposition in the tropics observed by Follstad
Shah et al. (2017) was similar to the canonical value predicted by Metabolic Scaling
Theory, while the value of Ea wasmuch lower for leaf litter processed within streams
and rivers from temperate biomes. However, some studies suggest resource pulses
may augment the temperature sensitivity of organic matter utilization. Estimates
of Ea range from 0.58 to 0.70 eV for ecosystem respiration in streams and rivers
calculated over short timescales (Demars et al., 2011, 2016; Song et al., 2018; Valett
et al., 2008; Yvon-Durocher et al., 2012; Table 12.2). Most of estimates were made
under steady state conditions (i.e., when rates of gross primary production [GPP]
and ecosystem respiration [ER] were correlated within systems; Demars et al., 2016;
Song et al., 2018). Over annual timescales, Yvon-Durocher et al. (2012) found that
ecosystem respiration had greater values of Ea (0.57–1.08 eV) relative to terrestrial
ecosystems (0–0.42 eV), possibly due to a stronger influence of allochthonous C
subsidies relative to autochthonous primary production in aquatic ecosystems. In
Walker Branch, a heavily studied temperate spring-fed stream in North America,
GPP and ER are correlated over annual timescales (Roberts et al., 2007), yet neither
is related to temperature in a way predicted by thermodynamics due to shifting
resource availability (Fig. 12.3). Hence, calculating the Ea for individual systems or
particular seasons in temperate systems can be confounded by shifting light and C
supply. The same concept applies to estimates of Ea for litter decomposition derived
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Fig. 12.3 Theoretical (a, d) and empirical (b, c, e, f) relationships between temperature and rates
of gross primary production (a–c) and ecosystem respiration (d–f) in Walker Branch, Tennessee,
USA. Data from Roberts et al. (2007). Symbols denote different rates in different seasons and forest
canopy conditions

from individual systems. For example, Griffiths and Tiegs (2016) found the Ea of
litter decomposition to range from 3.3 to 6.3 eV for Acer rubrum, Liriodendron
tulipifera, and Quercus alba decomposing within Walker Branch. However, this
study was conducted over a narrow temperature range (mean daily difference of
≤ 1.1 °C between sites) in autumn. In addition, summer conditions at this site are
marked by low rates of GPP (Fig. 12.3) and organic matter standing stocks (Roberts
et al., 2007). Release from substrate limitation may have thus induced the extremely
strong Ea observed.

Evolutionary history and adaption to climate shape plant traits, in addition to traits
associated with microbes and aquatic invertebrates. Plant traits are strong determi-
nants of litter decomposition rates in aquatic ecosystems (Ardón & Pringle, 2008;
Gessner & Chauvet, 1994; Martínez et al., 2014; Ostrofsky, 1997). An experimental
study conducted along latitudinal gradients using litter mixtures (Boyero et al., 2016)
and a large data synthesis of single species decay rates (LeRoy et al., 2020) found that
phylogeny, which influences plant traits (Cornwell et al., 2014), is a better predictor
of decomposition rate than climate in streams and rivers. Similarly, plant traits are
a stronger driver of leaf and wood decomposition than climate in terrestrial systems
(Cornwell et al., 2008; Hu et al., 2018). Follstad Shah et al. (2017) found that variance
in the Ea of genus-specific litter decomposition rates could be explained by plant
traits, including leaf %N and ratios of C:N, lignin:N, and lignin:P. Lower values
of Ea were associated with higher quality litter, similar to studies of litter and soil
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organic matter processing conducted in terrestrial systems (Conant, Drijber et al.,
2008; Conant, Steinweg et al., 2008; Fierer et al., 2005; Hobbie, 1996; Ramirez et al.,
2012; Wang et al., 2019). Higher values of Ea are expected for the decomposition
of recalcitrant litter because microbial conditioning facilitates detritivore consump-
tion of structurally complex litter (Gessner & Chauvet, 1994; Suberkropp, 1992;
Wright & Covich, 2005). Enzymatic reactions required by microbes to metabolize
complex, low-quality macromolecules have higher apparent activation energies than
enzymatic reactions that metabolize chemically simpler leaf constituents (Bosatta
& Ågren, 1999; Conant et al., 2011; Wagai et al., 2013). For example, enzymes
expressed to degrade lignocellulose and polyphenols have temperature sensitivities
ranging from 0.45 to 0.56 eV, while the Ea of polysaccharide hydrolysis and nutrient
mineralization ranges from0.31to 0.41 eV (Sinsabaugh&Follstad Shah, 2012;Wang
et al., 2012).

Plant biogeography may influence the temperature sensitivity of litter decompo-
sition due to co-variation with plant traits. Faster decomposing genera are typically
found at higher, colder latitudes, while slower decomposing genera are typically
found at lower, warmer altitudes (Boyero et al., 2017). However, Zhang et al. (2019)
found no difference in litter decomposition when rates were categorized amongst
three biomes, likely due to a wide variation of plant traits within each biome. Corre-
lations between plant traits and values of Ea observed by Follstad Shah et al. (2017)
were strongly influenced by the inclusion of Alnus, the sole plant capable of N-
fixation within the analyses. Furthermore, no difference was found in the Ea of
litter decomposition when all 85 plant genera were categorized as ‘fast’, ‘medium’,
or ‘slow’ decomposing leaves (common slope of 0.23 ± 0.03 eV, 95% CI: 0.18–
0.29 eV), based on the distinctions established by Peterson and Cummins (1974).
The database compiled by Follstad Shah et al. (2017)was biased towards experiments
using Alnus andQuercus leaves, together representing 38.4% of total decomposition
rate observations. The mean Ea across the twelve plant genera for which temperature
sensitivity could be quantified was 0.64 eV. The weighted mean, accounting for the
number of observations per genus, was 0.40 eV (Fig. 12.4). This weighted mean
value was close to the Ea of total decomposition calculated across all plant genera
(0.33 eV; Table 12.2). Alnus and Quercus are two plant genera broadly distributed
throughout temperate biomes. Genus-specific values of Ea for Alnus and Quercus
calculated by Follstad Shah et al. (2017) were weaker than the other ten plant genera
(0.16 eV and 0.32 eV, respectively; Fig. 12.4). The distribution ofAlnus andQuercus,
combined with their relatively weak sensitivity to temperature, likely influenced the
difference in biome-specific estimates of Ea.

Abiotic factors can influence the apparent temperature sensitivity of litter decom-
position, in addition to biotic factors. Tiegs et al. (2019) removed the influence of leaf
quality on decomposition by using a standard substrate to show that environmental
variation, such as nutrient availability and differences in pH, leads to distinct signa-
tures of cotton strip decay amongst biomes. They also found that the Ea of cotton
strip decay was stronger in streams (0.60 eV) relative to the surfaces of riparian
soils (0.40 eV), and attributed the difference to variation in moisture between habi-
tats. Biotic factors still played a role in this study. Microbial activity contributes to
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Fig. 12.4 Comparison of the genus-specific apparent activation energy (Ea, eV) amongst twelve
plant genera (sample size; panel photo): Alnus (224; a), Acer (68; b), Liriodendron (23; c), Carya
(14; d), Cornus (12; e),Melicytus (10; f), Quercus (105; g), Phragmites (23; h), Liquadambar (22;
i), Fagus (14; j), Rhododendron (21; k), Pinus (13; l). The mean (0.64 eV) and weighted mean
(0.40 eV) genus-specific Ea values are denoted by the red dotted line and gray dashed line, respec-
tively. Colored symbols represent categories of leaf litter decomposition coefficients (kD) associated
with each genus, based on Peterson and Cummins (1974): fast (kD > 0.0100 day−1), medium (kD
= 0.0050–0.0100 day−1), slow (kD < 0.0050 day−1). Photos were obtained from various websites,
including but not limited to the USDA Plants Database (https://plants.sc.egov.usda.gov/java/), iNat-
uralist (https://www.inaturalist.org/),Wikipedia (https://en.wikipedia.org/), andWikimedia (https://
commons.wikimedia.org/). Photo creditswith copyrights: J.S. Peterson (b); J.McMillan (c); T.Rodd
(d); W.S. Justice (e); Rudolph89 (f); A. Huster (g); W. Mark and J. Reimer (i); P. Rothrock (j); S.
McDougal (l)

cotton strip decay, in addition to environmental factors (Colas et al., 2019). The Ea

for cotton strip decay in streams was similar to the canonical value predicted by
Metabolic Scaling Theory (0.65 eV; Brown et al., 2004) and within the range of Ea

values observed for bacterial and fungal metabolic rates (0.42–0.95 eV; Table 12.1).
In addition, it was closer to the Ea of lignocellulose degradation (0.45–0.54 eV)
than the Ea of polysaccharide hydrolysis and nutrient mineralization (0.31–0.41 eV;
Sinsabaugh & Follstad Shah, 2012; Wang et al., 2012), reflecting that cotton strips
are largely comprised of cellulose. The Ea for cotton strip decay in streams was
stronger than the Ea for microbe-mediated litter decomposition (Boyero, Pearson,
Gessner et al., 2011; Follstad Shah et al., 2017; Table 12.2), supporting the idea that
variation in leaf quality has a strong influence on the temperature dependence of
litter decomposition.

Eutrophication is an abiotic global change affecting streams and rivers (Galloway
et al., 2008; Manning et al., 2020), but few studies have examined the interactive
effects of temperature and nutrient supply on aquatic ecosystem processes (Cross

https://plants.sc.egov.usda.gov/java/
https://www.inaturalist.org/
https://en.wikipedia.org/
https://commons.wikimedia.org/
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et al., 2014). Moderate levels of nutrient availability generally stimulate rates of leaf
litter decomposition at the scale of leaf packs (Ferreira, Castagneyrol et al., 2014;
Rosemond et al., 2015;Woodward et al., 2012; Young et al., 2008), particularly when
neither N nor P is limiting (Duarte et al., 2009; Kominoski et al., 2015). However,
decomposition rates generally decline in hypertrophic streams due to declines in
microbial diversity and biomass (Duarte et al., 2009), shifts in macroinvertebrate
community composition (Woodward et al., 2012), stoichiometric imbalance between
detritus and consumers (Tonin et al., 2017), or effects of toxins (e.g., high ammonia
concentrations or loading of pesticides and pharmaceuticals coincident with nutrient
inputs) on the physiology and abundance of aquatic organisms (Duarte et al., 2009;
Fernandes et al., 2014; Lecerf et al., 2006; Rosi-Marshall et al., 2013; Schäfer et al.,
2007, 2012). The limited number of small-scale studies that have experimentally
manipulated both temperature and nutrients within mesocosms or stream-side chan-
nels indicate that interaction effects between these two factors are inconsistent. In
some cases, additive or synergistic effects of temperature and nutrients have led to
faster rates of microbe-mediated and total decomposition for Alder glutinosa,Meli-
cytus ramiflorus, and Betula pendula (Martínez et al., 2014; Moghadam & Zimmer,
2016; Piggott et al., 2015). However, Fernandes et al. (2014) found that elevated
temperature stimulated decomposition rates of Alder glutinosa and Quercus robur
mediated by microbes only at low N concentrations (< 0.1 mg L−1). Other studies
show that the interaction of temperature and nutrients had no effect on total decom-
position rates of Melicytus ramiflorus (Piggott et al., 2012) or the decomposition of
Corylus sp. mediated by microbes or detritivores (Gossiaux et al., 2020; Jabiol et al.,
2020). The disparate results amongst these studies suggest that interaction effects of
temperature and nutrients on litter decomposition may vary by the dominant taxo-
nomic group processing leaves and characteristics of nutrient gradients in streams
and rivers. Only one study to date has assessed whether nutrient supply modulates
the apparent temperature dependence of litter decomposition. Jabiol et al. (2020)
found that four N concentrations ranging from 0.71–2.81 mg N L−1 had no effect
on the Ea of litter decomposition mediated by microbes or detritivores. Additional
study is needed to determine if this pattern holds over a broader range of nutrient
availability and spatial scales.

12.4 Interactions Between Elevated CO2, Elevated
Temperature, and Altered Hydrologic Flow on Litter
Decomposition Mediated byMicrobes and Detritivores

The combined effects of elevated atmospheric CO2 concentration, elevated temper-
ature, and hydrologic intensification may vary in different regions of the world
due to shifts in vegetation and variation in hydrologic response to climate change.
Figure 12.5 illustrates how these factors may interact within tundra, temperate rain-
forest, desert, and tropical rainforest biomes under future climate scenarios. In the
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Fig. 12.5 Conceptual figure summarizing potential differences in climate change effects on leaf
litter decomposition in tundra (a–c), temperate rainforest (d–f), desert (g–i), and tropical rainforest
(j–l) biomes. Symbols represent current conditions, while arrows indicate direction of predicted
change in each biome. Gray dashed lines in (d, j) denote more labile leaf litter with elevated CO2
concentration due to shifts in vegetation. Shaded areas in (c, f, i, l) denote highmagnitude hydrologic
flow that flushes organic matter from the system
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tundra, warmer temperatures and increased precipitation are predicted to stimulate
productivity and promote taller vegetation, albeit within narrower riparian zones
(Nilsson et al., 2013). However, elevated atmospheric CO2 concentration may result
in lower litter quality and more acidic surface water. Warmer, wetter conditions and
potentially greater allochthonous inputs to aquatic ecosystems should favor faster
rates of organic matter processing. However, the magnitude of these rates could
be modulated or negated by lower litter quality, declining pH, and variable flow
in areas of permafrost, decreasing discharge in non-permafrost areas, and glacial
outburst flooding (Nilsson et al., 2015). Vegetation in the temperate rainforest of
the U.S. Pacific Northwest is shifting to greater dominance of deciduous trees rela-
tive to conifers in response to warming (Ball et al., 2010; Kominoski et al., 2013),
despite relatively constant water supply (Rodell et al., 2018). Deciduous plants have
higher litter quality than conifers and may be more productive with higher CO2

availability, warmer temperature, and adequate moisture. These conditions should
promote faster rates of leaf litter decomposition (Kominoski et al., 2011). In semi-
arid to aridwesternNorthAmerica, combined effects of elevated temperature, greater
frequency and intensity of drought, and river regulation are expected to favor herba-
ceous (e.g.,Bromus tectorum) andnon-native drought-tolerant (e.g.,Tamarix) species
over native, early-successional tree species (e.g., Populus and Salix; Perry et al.,
2012; Reynolds & Shafroth, 2017). In addition, plant productivity is predicted to
decline as higher water demand limits photosynthetic capacity (Perry et al., 2012).
Decomposition rates may increase because streams and rivers in this region will be
warmer, receive fewer allochthonous inputs of organic matter (Bailey et al., 2001),
and be buffered from elevated CO2 by their alkaline nature. However, rates may
be suppressed by greater probability of intermittent flow (Perry et al., 2020). Large
portions of the Brazilian rainforest are expected to shift to savannah as annual precip-
itation and rainfall variability decline (Ciemer et al., 2019). Temperature is predicted
to stay relatively constant (Ciemer et al., 2019), yet small shifts can have a large
influence on decomposition given strong temperature sensitivity in the tropics. For
example, a roughly 10% increase in litter decomposition rate requires only a 1 °C
rise in water temperature in the tropical systems but a 4 °C rise in temperate systems,
given differences in the Ea observed in these biomes (Follstad Shah et al., 2017). In
some cases, grasses do not have lower quality litter when grown at elevated atmo-
spheric CO2 concentration (Monroy et al., 2016). Hence, decomposition rates may
significantly increase with lower allochthonous inputs of litter and warmer tempera-
ture, if streams remain perennial. These scenarios suggest that the response of organic
matter decomposition to multiple interacting factors associated with climate change
will be context specific and coupled to responses of adjacent riparian vegetation.

The relative contribution of microbes and detritivores to litter decomposition may
shift in response to elevated atmospheric CO2 concentration, warming, and hydro-
logic intensification. The responses of these taxa also may vary amongst biomes.
Microbial activity diminishes to a lesser degree than detritivore activity on more
recalcitrant leaf litter amongst plant genera (Hieber & Gessner, 2002; Martins, Melo
et al., 2017). Similar patterns may hold for increased leaf recalcitrance associated
with elevated atmospheric CO2 concentration, which has been correlated to declines
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in detritivore activity (Martins,Melo et al., 2017;Tuchman et al., 2002), but not fungal
biomass or activity (Ferreira et al., 2010; Ferreira & Chauvet, 2011; Martins, Melo
et al., 2017). However, bacterial production on leaves grown under elevated CO2

concentration has declined in some studies (e.g., Tuchman et al., 2002) but remained
unchanged in other studies (e.g., Rier et al., 2005). Experimental results indicate
that microbial activity becomes relatively more important with elevated tempera-
ture as compared to detritivore activity (Bärlocher et al., 2008; Boyero, Pearson,
Gessner et al., 2011; Jabiol et al., 2020; Martins, Melo et al., 2017; O’Gorman et al.,
2012). Elevated temperature generally favors smaller bodied metazoans (‘James’
Rule’; James, 1970), due to oxygen demands and different thermal sensitivities in
growth and development rate (or ‘temperature-size rule’; Atkinson, 1994). However,
the temperature-size rule does not apply to unicellular organisms whose body size
remains invariant with temperature (Forster et al., 2012). Taxonomic differences in
temperature-body size scaling relationships can alter the temperature dependence of
ecosystem processes mediated by microbes and detritivores, and subsequent energy
flow through food webs. Finally, stream meiofauna and detritivore population body
size-abundance scaling relationships can deviate from the energy equivalence rule
(Schmid et al., 2000, 2020) due to stochastic hydrophysical processes (i.e., the
frequency of high flow events; Schmid et al., 2020) and adaptations to elevated
temperature (O’Gorman et al., 2012, 2017). Thus, shifts in size spectra should be
consideredwhenmaking predictions about detritivore-mediated litter decomposition
response to climate change.

12.5 Significance of Leaf Litter Decomposition Responses
to Climate Change

12.5.1 Global C Budget

Clearly, more studies are needed to better understand the effects of biotic and abiotic
factors on the temperature sensitivity of litter decomposition in order to make predic-
tions about how rates will change with shifts in temperature. However, the studies
to date indicate that elevated temperature ranging from 1 °C to 4 °C will increase
rates between 5.0–21.4% based on an Ea of 0.34 eV and 10.3–47.4% based on an
Ea of 0.68 eV, assuming a standard water temperature of 10 °C. Litter decomposi-
tion dominated by microbial activity converts a sizeable fraction of organic matter
to CO2, while detritivores generate large amounts of fine particulate organic C due
to low assimilation efficiencies (Baldy et al., 2007; Ward et al., 1994). Similarity in
the temperature sensitivity of litter decomposition mediated by microbes and total
decomposition observed by Follstad Shah et al. (2017) suggests that the fractions of
gaseous C loss and particulate C transport attributed to litter decomposition will not
significantly change over broad scales as temperatures rise. Yet, if temperature sensi-
tivity does indeed varywith respect to taxonomic groups or their response to different
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genera of leaf litter (Boyero, Pearson, Gessner et al., 2011; Ferreira&Canhoto, 2015;
Jabiol et al., 2020), then the balance between these two processes may shift in the
future. These differences may be more pronounced at higher latitudes, where detriti-
vore diversity and abundance is greater than in the tropics (Boyero, Pearson,Dudgeon
et al., 2011).

Organic matter catabolism fuels heterotrophic metabolism in detrital food webs,
and is thus a major component of aquatic ecosystem respiration. CO2 produced by
heterotrophic metabolism contributes about 28% of CO2 evasion from streams and
rivers under current climate conditions (Hotchkiss et al., 2015). The influence of
streams and rivers on global C cycling depends upon ecosystem-level rates of both
GPP and ER (Battin et al., 2008; Demars et al., 2011, 2016; Song et al., 2018). A
recent data synthesis of stream metabolism studies conducted in summer (Demars
et al., 2016) and models utilizing stream metabolism data collected amongst six
biomes (Song et al., 2018) found that the Ea of GPP and ER is of similar magnitude
(Table 12.2). Demars et al. (2016) showed that net ecosystem production (NEP;
i.e., the balance between GPP and ER) is invariant with respect to temperature and
inferred that CO2 emissions from lotic ecosystems should not increase with warming
when GPP and ER are tightly coupled. However, Song et al. (2018) found a rise of
1 °C in water temperature leads to a 23.6% decline in NEP because of differential
responses in the ratio of GPP/ER to warming in high temperature streams with
greater ratios of GPP/ER on a daily basis relative to low temperature streams with
lower ratios of GPP/ER. Consequently, these authors estimated that warming will
result in an increase of approximately 0.02 Pg year−1 from streams similar in size
to the systems studied. However, dominant sources of C to streams and stream size
(including seasonal desiccation) are important factors controlling the magnitude of
CO2 emitted from lotic ecosystems (Hotchkiss et al., 2015; Keller et al., 2020). It is
still unclear if the Ea of NEP in streams and rivers varies in relation to these factors,
both of which are changing with alteration of global climate (del Campo et al., 2020;
Gosling et al., 2017; Hattermann et al., 2017; Kominoski et al., 2020; Mcdonough
et al., 2020).

12.5.2 Food Webs

Altered rates of decomposition in response to factors associated with climate change
is consequential to detrital food webs, but also influenced by aquatic community
responses to elevated atmospheric CO2 concentration, warming, and hydrologic
intensification (Marks, 2019; O’Gorman et al., 2012, 2017). Leaf litter can be rapidly
exploited by the increased metabolic demand induced by warming, particularly in
systems with limited allochthonous C inputs (Roberts et al., 2007; Rosemond et al.,
2015). Increases in extreme hydrologic events (floods and droughts) and decreases
in retentive structures (e.g., large woody debris) from shifts in vegetation may reduce
the amount of terrestrial detritus retained in stream ecosystems and support less detri-
tivore secondary production (del Campo et al., 2020; Kominoski et al., 2020; Tank
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et al., 2010). Depletion of basal resources or changes to the quality of detritus can
have cascading effects on higher trophic levels throughout aquatic food webs, mani-
festing as changes to biotic richness, production, nutrient cycling, and whole stream
metabolism (Dudgeon et al., 2006; Estes et al., 2011; Poff et al., 2007). Similarly, loss
of species or specific functional groups can significantly suppress rates of leaf litter
decomposition (Bärlocher et al., 2008;Boyero et al., 2012;Handa et al., 2014; Stewart
et al., 2013; Tonin et al., 2018) and limit energy flow through the food web (Graça
et al., 2002; Wallace et al., 1999). However, evidence from litter-poor geothermal
streams in theHengill region of Iceland shows that concomitant shifts inwarming and
nutrient supply can support higher basal resource (i.e., diatom) production that allow
for greater body size and biomass of higher trophic groups through altered commu-
nity composition (O’Gorman et al., 2012, 2017; Nelson et al., 2017, 2020). These
responses promoted patterns of litter decomposition and whole-stream metabolism
temperature dependence consistent with more litter-rich systems (Demars et al.,
2011, 2016; Friberg et al., 2009), suggesting maintenance of ecosystem stability
despite shifts in body size-abundance scaling relationships and community compo-
sition. Thus, resource supply and its interaction with other factors of global change
are important considerations affecting basal foodweb pathways and how they support
food web dynamics.

12.6 Conclusions

It is evident that climate change factors are affecting rates of litter decomposition
in streams and rivers, and subsequently influencing lotic ecosystem C budgets and
food web dynamics. Elevated temperature has been more widely tested and has the
most consistent effect on litter decomposition, as compared to elevated atmospheric
CO2 concentration and hydrologic intensification. However, there still exists a need
to better understand each of these factors in isolation, as well as their interactions.
Effects of interactions between these variables are difficult to predict across broad
scales due to regional differences in climate and biogeography. No studies exist that
test all three factors simultaneously relative to controls and examine the responses of
bothmicrobes and detritivores.Most studies have been conducted at small scale (e.g.,
laboratory experiments or short-term warming of single systems) or have used space
for time substitutions (e.g., latitudinal gradients or comparisons amongst closely
situated geothermal systems). Additional long-term studies of change in situ and
simulation models are required to parse individual and interacting effects under
realistic climate change conditions (O’Gorman et al., 2012). The open nature of
river networks and the connectedness of streams and rivers to adjacent riparian zones
requires that fluctuation in resource supply must be considered in tandem to changes
in atmospheric CO2 concentration, temperature, and hydrologic regimes.
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Chapter 13
Causes and Consequences of Changes
in Riparian Vegetation for Plant Litter
Decomposition Throughout River
Networks

John S. Kominoski , Samantha K. Chapman , Walter K. Dodds ,
Jennifer J. Follstad Shah , and John S. Richardson

Abstract Riparian ecosystems occupy land-water interfaces along upland-to-
lowland and coastal gradients of river networks.Global changes in riparian vegetation
alter the types and processing of organic matter at these interfaces and throughout
river networks. Dominant pathways of structural changes in riparian vegetation are
associated with (i) temperature increases and changes in precipitation and hydrology,
(ii) range expansion/contraction of native and non-native species, (iii) altered land-
use for agriculture/forest plantations and harvesting, and urban development, (iv)
shifts in disturbance regimes, such as fire, disease, pest outbreaks, and storms, and (v)
saltwater intrusion.Widespread changes in riparian vegetation alter above and below-
ground carbon (C) stores and shift the relative proportion of algal and detrital basal
resources in aquatic ecosystems. Global changes in riparian vegetation likely shift the
sources and sinks of organic matter along river networks from upland headwaters to
lowland rivers and coastal wetlands. Climate and global changes are expanding and
contracting continental vegetation species ranges while sea-level rise and saltwater
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intrusion are transgressing coastal ecosystems landward. Understanding the general
pathways and functional consequences of changes in riparian vegetation is vital to
conserving ecosystem functions and services throughout continental river networks
and coastal wetlands that are supported by organic matter processing.

13.1 Riparia & River Networks

Most aquatic ecosystems rely on allochthonous energy produced in riparian and
terrestrial ecosystems (Cebrian & Lartigue, 2004). Riparian ecosystems contain
unique species adapted to flooding, drought, erosion and deposition, which collec-
tively result in riparian areas as being control points of biogeochemical cycling and
organic matter processing (Bernhardt et al., 2017; McClain et al., 2003; Naiman
et al., 2010; Sabo et al., 2005). Riparian and wetland vegetation drive the quan-
tity, quality, and timing of organic matter in aquatic ecosystems (Batzer & Sharitz,
2014; Kominoski &Rosemond, 2012;Meyer et al., 1998), mediating the influence of
surface waters on global carbon (C) budgets. Climate and land-use changes drive the
transformation, export, and fate of organic matter from local habitats to entire river
networks (Benda et al., 2004). However, the composition of riparian communities
is in flux on a global scale, resulting in significant changes to aquatic ecosystem
processes and services (González et al., 2017; Kominoski et al., 2013).

The river continuum (Vannote et al., 1980), serial discontinuity (Stanford&Ward,
2001; Ward & Stanford, 1983), and flood pulse concepts (Junk et al., 1989) provided
conceptual frameworks that stimulated decades of research assessing the longitu-
dinal and lateral connectivity of organic matter from small streams to large rivers to
floodplains and wetlands. This research has demonstrated the importance of organic
matter to energy and food web dynamics across spatial scales (e.g., Hall & Meyer
1998; Minshall et al., 1983; Thorp & Delong, 1994). Aquatic ecosystems are both
connected and disconnected along hydrologic flow paths, influencing recipient and
donor-controlled ecosystems through delivery of organic matter (Ball et al., 2010).
Aquatic organisms amongst Earth’s biomes have evolved over millennia to utilize
organic matter inputs, whether delivered in seasonal pulses or supplied continuously
over annual cycles (Benstead & Huryn, 2011; Yeung et al., 2019). This connec-
tion between organic matter input regimes and evolutionary adaptations likely has
profound impacts on the quantity of energy and nutrients stored, transformed, or
transported within river networks.

Despite the evolution of these frameworks towards understanding the river
network, we know very little about the integration of organic matter processes over
time and through multiple components of river networks, such as lakes, reservoirs,
floodplains and wetlands. The role of inland aquatic ecosystems in processing terres-
trial organic matter is critically large relative to the spatial extent that surface waters
cover the globe (Battin et al., 2009). Wetlands, especially coastal wetlands, are foun-
dational to the global storage of carbon, given that they retain and bury massive
amounts of organic and inorganic matter relative to their land area (Chmura et al.,
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2003, McCleod et al., 2011). River networks actively fix, store, transform, and trans-
port carbon (Cole et al., 2007), and stream litter decomposition processes integrate
at network scales (Fig. 13.1). At local scales, riparian vegetation influences litter
processing, organic carbon availability, and aquatic ecosystem services (Fig. 13.1).
Further, threshold responses or unforeseen consequences caused by environmental

Fig. 13.1 Conceptual figure depicting a river network demonstrating how spatial heterogeneity in
riparian and wetland ecosystems influences the distribution and processing of organic matter and
ecosystem services. River networks integrate the sources, fluxes, and transformations of organic
matter that vary along multiple flow paths from headwaters to the ocean that collectively influence
ecosystem services. Copyright E. E. Nixon
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change accumulating in separate sub-basins within larger river networks may occur
downstream after convergence of multiple flow paths (e.g., Ward & Stanford, 1983).

Quantification of organic matter fate in river networks that includes interior and
coastal wetlands is needed, as aquatic ecosystems receive and distribute organic
matter from ecosystems to which they are coupled (Aufdenkampe et al., 2011).
Carbon dynamics and ecosystem services at any given location in a river network
depend on upstream processes that accumulate along hierarchical and conjoining
flow paths (Benda et al., 2004; Fig. 13.1). Wetlands capture upland as well as marine
inputs of organic matter, increasing retention. Understanding network-level sources,
fates, and transformations of organic matter will aid in identifying the location and
management of freshwater ecosystem services (Benda et al., 2004; Peters et al.,
2008).

Here, we elucidate the major trends and pathways that result in shifting riparian
plant assemblages, summarize the general patterns and effects of these shifts on
organic matter dynamics in lotic ecosystems, and describe how organic matter
processing is linked to key ecosystem services.

13.2 Global Changes in Riparian Vegetation: Streams,
Rivers, & Coastal Wetlands

Shifts in riparian community composition are evident around the world, resulting
from climate change, biotic homogenization and hybridization, land use change,
altered disturbance regimes, and pollution (González et al., 2017; Kominoski et al.,
2013). In some regions of the U.S., these shifts result in communities that are novel
relative to historic communities (Macfarlane et al., 2017). These changes havemyriad
effects on the quantity, quality, and timing of organic matter inputs to surface waters.
We explore each of the drivers of change in riparian assemblages and discuss how they
influence allochthonous organic matter inputs, as well as the storage, transformation,
and transport of organic matter within aquatic ecosystems.

13.2.1 Climate Change: Temperature, Precipitation,
Hydrology, and CO2 Concentrations

The biomes that freshwaters are embedded in have strong influences on riparian
vegetation (Fig. 13.2; Dodds et al., 2015, 2019). When the amount of precipitation
is less than the potential evapotranspiration, the riparian zone can shift from trees to
grasses and shrubs. Intermittent habitats in extremely dry areas can have almost no
woody riparian vegetation, through stream channels and wetlands are often wetter
areas likely to support a greater plant biomass. In very cold areas (high altitude or
latitude), the development of woody vegetation may be inhibited by climate severity
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Fig. 13.2 Climate zones, vegetation types, and relationship to stream characteristics (modified
from Holdridge [1947]). Image from Dodds et al. (2015)

allowing only low-stature vegetation in riparian zones. Woody vegetation can have
indirect influences on decomposition aswell. In restoringAustralian rivers tomitigate
temperature increases, a 10% increase in riparian cover leads to a 1 degreeCentigrade
lowering of temperature (Davies, 2010).

Within areaswhere precipitation is, at least seasonally, unable tomeet demands for
plant growth, the effects on riparian vegetation may be strong. Climate change will
increase climate variability, and intense dry periods could alter riparian community
composition. For example, climate change and lower fire frequency and intensity
may be responsible for riparianwoody expansion into tallgrass prairie streams (Veach
et al., 2015) and this expansion has substantial influence on stream food webs and
community composition (Riley&Dodds, 2012; Vandermyde&Whiles, 2015; Veach
et al., 2015), water chemistry, andwhole-streammetabolic rates (Larson et al., 2018).
In similarly dry Mediterranean habitats, climate change is expected to inhibit early
successional riparian communities slowing regeneration of these communities in
response to disturbances such as floods (Rivaes et al., 2013).

Increased temperatures associated with climate change will alter Arctic and high
altitude riparian vegetation. For example, alterations in ice breakup and scour will
change riparian communities (Prowse et al., 2006). Warmer temperatures will allow
higher stature and greater biomass of riparian vegetation to move to higher latitudes
and altitudes. In the Boreal zone, increased temperature is predicted to allow invasive
species to take hold, and lead to shifts in community structure as well as narrowing
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of riparian zones (Nilsson et al., 2013). In tundra habitats, this invasive vegetation
could be trees.

Climate change leads to hydrologic alterations‚ and many studies link shifts in
riparian communities with altered flooding and drying of flowing waters (Datry
et al., 2018). In semi-arid to arid western North America, combined effects of
elevated temperatures, altered precipitation regimes, and river regulation are expected
to reduce the abundance of dominant, native, early-successional tree species (e.g.,
cottonwoods andwillows) and favor herbaceous species, non-native drought-tolerant
species (e.g., cheatgrass and tamarisk), and late-successional, woody shade-tolerant
species (Perry et al., 2012; Reynolds & Shafroth, 2017). Some of these changes are
associated with shifts in seeding phenology that result in asynchrony between seed
release and snowmelt runoff or monsoonal precipitation, shifts in flood intensity and
frequency, and higher plant water demand (Perry et al., 2012, 2020). Changes in the
frequencies of large floods are also important in other regions (Hoffman & Rhode,
2011). For example, global climate models predict up to 27% change in riparian
vegetation area in the Lake Michigan region (Primack, 2000).

Between 1965 and 2009, woody riparian vegetation in the Grand Canyon of the
Colorado river increased in response to less flooding associated with river regulation.
Experimental floods during the later portion of the time did not slow themovement of
riparian vegetation to colonize and stabilize sand bars (Sankey et al., 2015). Increased
flooding (flood augmentation) in Rocky Mountains (upper Arkansas River basin)
decreased riparian wetland vegetation cover by 10% (Dominick & O’Neill, 1998).
The North Platte River narrowed and more dense riparian tree cover developed in
response to decreased spring flooding, however the upper Missouri River did not
demonstrate similar responses (Johnson, 1998).

13.2.2 Native and Non-native Plant Species Changes

Shifts in native and non-native riparian plant species can have predictable effects on
aquatic ecosystem structure and function (Kominoski et al., 2013). Invasive riparian
plant species such as salt cedar (Tamarix spp.) Russian olive (Elaeagnus angusti-
folia), Japanese knotweed (Fallopia japonica) and othersmay displace native species
and alter leaf litter quality and ecosystem functions in inland streams and rivers
worldwide (e.g., Kominoski et al., 2013; Lecerf & Chauvet‚ 2008) (Fig. 13.3). The
phylogeny of riparian plant species strongly influences leaf litter decomposition in
adjacent aquatic ecosystems (LeRoy et al., 2020). A number of studies have shown
that differences in litter quality are linked to genotypes of individual trees, resulting
in variable rates of decomposition rates in streams (Marks, 2019). LeRoy et al.
(2006) showed that different genotypes of poplar and their hybrids had very different
decomposition rates in streams, and a similar result was seen in experimental ponds
(Crutsinger et al., 2014). Jackrel and Wooton (2014) demonstrated using an exper-
iment of reciprocal transplants of leaves that communities of detritivores showed
adaptations to leaf litter derived from the local genotypes of red alder. Phylogeny
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Fig. 13.3 Three global examples of broad-scale changes in riparian plant species composition:
a shifts in coniferous and deciduous tree species, b increases in drought-tolerant species, and c
global distribution of plantation and crop species. Distribution of increasing and decreasing tree
species for each of the three examples are shown separately on each map. a Pinus and Tsuga
species are declining throughout the Northern Hemisphere. These species are being replaced by
deciduous species, such asAlnus species inNorthAmerica.bPopulus and Salix species are declining
throughout the Northern Hemisphere, whereas drought-tolerant specious such as Tamarix specious
(native to Eurasia) and Elaeagnus angustifolia (native from the Middle East to central Asia) are
gaining in North America, Europe, South America, Asia, and North Africa. Acer negundo (native to
North America) is increasing in Europe, and Salix (native to Europe) is invading Australia and New
Zealand. c Populus and Salix species are declining throughout the Northern Hemisphere, with the
exception of Populus hybrids grown in plantations in North America and Europe. Native riparian
vegetation throughout North America, Europe, Asia, Australia, and South America are declining
as land is used for plantation and crop species, such as Eucalyptus species and Zea mays, which
are being planted globally. Illustrations of increasing and decreasing species emphasize how shifts
in plant species composition have structural and functional consequences for riparian and aquatic
ecosystems. Image from Kominoski et al. (2013)

also plays a role with regards to the rate at which litter mixtures decay in streams
and rivers. Boyero et al. (2016) found that lower phylogenetic distance amongst leaf
species decaying together in 24 streams along a latitudinal gradient promoted greater
rates of mass loss in temperate biomes but slower rates of mass loss in the tropics.
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In coastal wetlands, mangroves are invading marsh-dominated ecosystems glob-
ally, in one of the most dramatic plant range shifts occurring today (Perry &
Mendelssohn, 2009; Saintilan et al., 2014). The expansion of mangroves into higher
latitudes on a global scale is driven by various factors including sediment increases,
sea level rise, and a declining frequency of severe freeze events, which is one of the
four major drivers of structural change described in this chapter (Cavanaugh et al.,
2014; Osland et al., 2013). Though air temperatures often drive mangrove expan-
sion (Osland et al., 2013), finer-scale changes in mangrove extent respond to many
secondary environmental factors such as erosion, land subsidence and accretion (Giri
& Long, 2014). Thus, some mangrove expansion may be due to re-emergence from
previous populations. As described above, woody plant invasion into herbaceous-
dominated upland ecosystems alters belowground processes such as root produc-
tivity, organic matter decomposition (and its quality) and microbial carbon cycling
(Knapp et al., 2008; Rundel et al., 2014). Similar changes in coastal wetlands could
have dramatic consequences not only for biogeochemical cycling, but for the viability
of the ecosystem as a whole, as organic matter buildup in coastal wetlands also
maintains surface elevation (Krauss et al., 2014).

The declining frequency of freeze-related disturbances in Florida, U.S.A. has
resulted in increasedmangrove extent, andDoughty et al. (2015) found thatmangrove
coverage increased by 69% in just 7 years at a site in Eastern Florida. Similarly, a
northeastern site in Florida saw a doubling of mangrove cover from 1986 to current
day (Cavanaugh et al., 2014).

13.2.3 Agriculture and Forest Harvesting

Shifts in the composition of riparian contributions of leaf litter can result from natural
disturbances, human disturbances, and long-term changes in land use. These events
often create space for fast-growing, disturbance-dependent trees, some ofwhich have
undefended and high-quality leaf litter, such as red alder (Alnus rubra) and yellow
poplar (Liriodendron tulipifera). These species depend on primary succession to
establish, but are often unable to persist at a site without further disturbance, so
over a time span of 60 to 80 years these trees are replaced by later successional
species. Some similar successional changes can occur due to forest harvesting (e.g.,
Kominoski et al., 2011). The types of leaf litter inputs from riparian vegetation has
a profound impact on the resulting stream community, particularly the composition
of the detritivores trophic level (Kominoski et al., 2013).

Inmany parts of the world, there has been extensive planting of non-native species
as forest crop trees. Some of the trees most commonly planted outside of their native
ranges are eucalypts (Eucalyptus globulus and E. nitens) and radiata pine (Pinus
radiata) (Ferreira et al., 2019; García et al., 2012). Ferreira et al. (2019) demon-
strated that decomposition rates of same leaf species in streams flowing through
Eucalyptus plantations are on average 23% lower than for streams in native forests,
mostly due to reduction in macroinvertebrate densities. In that study, the magnitude
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of the inhibition of decomposition varied geographically, with greater effect sizes in
more temperate regions, attributed to the greater influence of macroinvertebrates in
subtropical regions (Ferreira et al., 2019). In addition to Eucalyptus plantations for
fiber, other trees, such as palm oil and rubber trees are planted close to streamsides.
In Malaysia, there were very small differences in macroinvertebrate assemblages on
leaf packs draining palm oil forests versus native forest (Chellaiah & Yule, 2018).

Many tree species planted for fiber production in riparian habitats have leaf litter
of low quality. In particular, conifers (pines, firs, etc.) and eucalypts are considered
as low-quality due to being well defended physically and chemically against break-
down, having lowN:C, and possibly chemical defenses (Graça&Cressa, 2010). Pine
plantations in the UK have been a common target for afforestation, however, pine
litter decomposes less than 20% as quickly as birch leaves, despite similar detriti-
vore assemblages, and suggests planting pines or other conifers alongside streams
could lead to reductions in stream productivity (Collen et al., 2004). In other parts
of the world, North American trees such as Douglas-fir and Sitka spruce have been
planted, often right up to streamside (e.g., Gee & Smith, 1997), although the impacts
of these plantings on instream decomposition are not clear. Kominoski et al. (2011)
showed that leaf litter decomposition rates were lower in streams flowing through
conifer forests than streams with a larger component of angiosperms, primarily red
alder). The overall productivity and yield of particulate detritus from catchments
in Alaska with a high component of alder in riparian areas were much higher than
streams drainingmostly conifer stands (Wipfli &Musselwhite, 2004). These forestry
related shifts in streamside species composition and consequent inputs will affect
decomposition rates, either through types of inputs or catchment characteristics.

Forest harvesting, and other land-use, can impact instream decomposition rates.
In some studies forest harvest has resulted in decreased rates of decomposition (e.g.,
Kreutzweiser et al., 2008; Lecerf & Richardson, 2010), whereas other studies have
documented increased rates from forestry (Benfield et al., 2001,McKie&Malmqvist,
2009). In each of these studies there was little evidence for why decomposition rates
changed, particularly in opposite directions in different regions. These impacts of
forestry on decomposition rates occur whether or not riparian buffers are retained
during harvesting, and the mechanisms for these changes remains an open research
question.

Agricultural crops may be grown right up to stream edges in some jurisdictions.
This would certainly alter leaf litter composition, and probably reduce input rates.
An additional consideration is that in some parts of the world, crop plants have been
genetically modified, and their leaf litter may include anti-herbivory chemicals. In
much of the USA corn has been so-modified to include Bacillus thuringiensis (Bt)
genes to reduce insect damage. The leaf litter from this corn has been shown to slow
the growth rate of a detritivorous caddisfly larva, Lepidostoma liba, although there
were noother large-scale effects on streamcommunities fromsuch studies (Chambers
et al., 2010). Conversion of forest to pasture has several effects on instreamprocesses,
including the particular types of leaf litter inputs. In three streams in Ecuador, the
contrast between reaches in forest and pasture showed lower decomposition rates
of a standardized leaf litter in pasture reaches, largely attributed to the absence of a
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single species of shredding caddisfly larvae from pasture streams (Encalada et al.,
2010). Young et al. (1994) found rates of leaf litter decomposition were higher in
streams draining more intensively managed pastures, which they attributed to higher
nutrient yield, particularly Nitrogen, from pastures.

13.2.4 Urbanization

The urban stream syndrome represents the suite of alterations to stream ecosystems
that accompany urbanization (e.g., Booth et al., 2016; Paul & Meyer, 2001). These
include increased peaks in flows, increased nutrients and contaminants, warmer peak
temperatures and rapid shifts, channel simplification, altered riparian vegetation, etc.
All of these aspects can influence litter decomposition rates (Younget al., 2008).Litter
decomposition rates are often different in urban streams from those in comparable
forested sites, due to a host of potential influences. For example, in urban streams
in Puerto Rico, decomposition rates were only 30% or lower than rates in forested
streams, attributed to loss of consumer species in urban streams (Classen-Rodriguez
et al., 2019). Similarly, breakdown rates in urban streams in Brazil were about half
that of rates in forested streams, considered to be due to shifts in decomposer assem-
blages, especially loss of detritivorous invertebrates (Martins et al., 2015). Decom-
position of litter in a stream in Malaysia was nearly twice as rapid in urban reaches
than in forested sections, presumably due to nutrient enrichment (Yule et al., 2015).
Breakdown rates in streams in Maine were higher in more urbanized catchments,
and was attributed to elevated concentrations of nutrients along the rural to urban
gradient (Huryn et al., 2002). Rates of breakdown were almost four times higher in
urban streams in the Southeast USA compared to forest streams (Paul et al., 2006).
The influence of urbanization is large, but the direction and magnitude are highly
variable, and depends on the suite of processes altered in any given urban setting.

13.3 Impacts of Altered Litter Decomposition Throughout
River Networks

13.3.1 Land-Use Change Impacts

Organic matter source and bioavailability are closely linked to human land use
activities. Global reductions in terrestrial C are attributed to increasing human co-
option of terrestrial gross primary production (Running, 2012). For example, wetland
drainage and riparian land clearing remove terrestrial organic matter storage, and
widespread replacement of native vegetation with agricultural crops for direct and
indirect human consumption reduce carbon availability for ecosystem functions and
services (Allan, 2004; Running, 2012). Projected increases in cultivated land area
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coupled with increased nutrient mobilization (MEA, 2005) will reduce the amount
of terrestrial organic matter loading (Running, 2012) and increase in situ aquatic
organic matter production, which is more bioavailable. This shift towards more
readily available organic matter will influence secondary production and energy
flow paths within aquatic food webs from headwaters to downstream lakes and rivers
(Griffiths et al., 2009). The distribution of dissolved organic carbon in the Ipswich
River, Massachusetts demonstrates how organic matter processes throughout a river
network potentially contribute to nutrient regulating and water supply ecosystem
services (Stewart et al., 2011). In agricultural regions, the interaction of increased
nutrient inputs, reduced terrestrial carbon inputs, and reduced light limitation explain
why most carbon export from the Mississippi River Basin is due to aquatic primary
production (Shih et al., 2010).

13.3.2 Climate Change and Eutrophication Impacts

Global changes in soil and water temperatures, hydrologic variability, and nutrient
availability will increase rates of ecosystem metabolism and alter organic matter
export (Acuña & Tockner, 2010). Elevated temperature increases rates of leaf litter
decomposition in streams and rivers (Follstad Shah et al., 2017). The magnitude
of this increase is similar, whether decay is mediated by microbes alone or due
to the combined effects of microbes and detritivores (Follstad Shah et al., 2017).
However, this thermal response of detritivores may not scale to the level of river
networks, as decomposition rates at this scale depend on the availability of terrestrial
organic matter inputs. For example, some of the land use changes (described above)
reduce inputs of terrestrial organicmatter inputs to streams and rivers. In addition, net
primary production may be diminished in water-stressed riparian plant communities,
despite elevated CO2 concentrations that promote higher rates of photosynthesis and
growth and greater water use efficiency (Perry et al., 2013). These studies imply that
changes to riparian community organic matter production can modulate predicted
effects of climate change at the scale of river networks. Reservoirs alter upstream-
downstream organic matter linkages via increased storage of organic matter within
reservoirs (Vörösmarty et al., 2003) and enhanced loss of carbon as CO2 andmethane
(CH4) emissions (Kominoski &Rosemond, 2012; Tranvik et al., 2009). Streamswith
lower terrestrial organic matter inputs and lower standing stocks of benthic organic
matter, as well as downstream reaches of river networks that have lower quality
organic matter, are likely to remove less nutrients (Barnes et al., 2012; Taylor &
Townsend 2010), potentially contributing to denitrification efficiency loss (Mulhol-
land et al., 2008). Reductions in standing stocks of organic matter could result in
lower secondary production of food webs that support downstream fisheries (Cross
et al., 2006).

Elevated temperature and moderate eutrophication are shifting streams and rivers
towards greater heterotrophy, resulting in more emissions of CO2. Whole-stream
metabolism studies along natural thermal gradients show that ecosystem respiration
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increases in response to rising temperature to a greater extent than gross primary
production, resulting in declines in net ecosystem production (Demars et al., 2011).
Moderate nutrient enrichment stimulates organic matter decomposition rates in
streams and rivers (Woodward et al., 2012) and at the network scale results in reduced
terrestrial C residence time (Rosemond et al., 2015). In temperate biomes, terres-
trial C losses can exceed instream C production resulting in greater net heterotrophy
(Rosemond et al., 2015). Again, however, this pattern is dependent on terrestrial C
supply concomitant with heterotrophic demand for C in eutrophic systems.

Model simulations show that flow regime alterations have a greater effect on
organic C dynamics within river networks than altered thermal regimes, but this
effect is most pronounced in headwater streams relative to mainstem rivers (Acuña&
Tockner, 2010). More floods and longer droughts are predicted to reduce the amount
of organic C processed within the river network due to reduced rates of respiration
and increased C export (Acuña & Tockner, 2010). Some of the increased export of
C in Mediterranean systems may also be due to drought-induced phenological shifts
in leaf litter senescence, followed by winter flood events (Acuña et al., 2007).

Climate change further poses unprecedented effects on coastal regions by causing
saltwater intrusion into vulnerable ecosystems through accelerating rates of sea-level
rise, changes in the hydrologic cycle and temperature regime, and potentially the
increasing strength and frequency of storms (Farfan et al., 2014; Herbert et al., 2015,
Nicholls & Cazenave, 2010; Osland et al., 2016). Direct effects of climate change
on coastal ecosystems can result in loss of wetland area and ecosystem function if
and when rates of sea-level rise exceed the natural capacity of foundation species
in wetlands to adapt (Charles et al., 2019; Saha et al., 2011; Wilson et al., 2018).
Low-lying coastal ecosystems are periodically influenced by storms and continu-
ously influenced by sea-level rise and saltwater intrusion (Dessu et al., 2018; Herbert
et al., 2015; Osland et al., 2016). Our collective understanding is that saltwater intru-
sion generally decreases C storage and increases nutrient export in coastal wetlands
(Ardón et al., 2013, 2016; Charles et al., 2019; Herbert et al., 2015, 2018; Neubauer,
2013; Wilson et al., 2018).

13.3.3 Impacts of Altered Hydrologic Connectivity

Ecosystems are becoming increasinglymore or less connected through globalization,
fragmentation, and climate change. Connectivity—the flow of organisms, water,
materials, and ecological processes across landscapes (Taylor et al., 1993)—can
be used to understand how to better manage and restore threatened and declining
ecosystems (Haddad et al., 2015; Kominoski et al., 2019; Pringle, 2001). The extent
and health of coastal ecosystems are declining worldwide (Dahl & Stedman, 2013;
Nicholls et al., 2007), so understanding how changes in hydrologic connectivity
influence the structure and function of these threatened ecosystems is paramount
(Sheaves, 2009). Storage and accumulation rates of carbon and nutrients in coastal
wetlands are sensitive to underlying topographic gradients that influence hydrologic
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connectivity to these sources, as well as temporal changes in connectivity that can
be both directional (e.g., sea-level rise) and episodic (e.g., hurricanes, droughts,
floods). Therefore, hydrologic connectivity can influence biogeochemical processes,
including net primary productivity and organicmatter mineralization (Bouillon et al.,
2008; Castañeda-Moya et al., 2013; Koch et al., 2012; Noe et al., 2001).

Changes in hydrology associated with urbanization and river regulation influence
the sources and fates of organic matter in river networks. Urbanization increases
impervious cover, reducing infiltration rates and increasing the tendency of flash
floods as well as increasing organic matter via septic and sewage inputs (Paul &
Meyer, 2001; Walsh et al., 2005). Therefore, urban watersheds are likely to have less
continuous sources of soil carbon due to reduced infiltration rates, but potentially
more C point sources associated with engineered open spaces (Aitkenhead-Peterson
et al., 2009) or instream production and wastewater inputs (Newcomer et al., 2012).
Urban watersheds may also exhibit increased retention and burial of C in reser-
voirs (Vörösmarty et al., 2003). All of these factors ultimately alter the quantity and
bioavailability of organic matter in urbanized waterways. River regulation alters the
hydrologic regimes, but also the distribution of lotic and lentic surface waters in river
networks. Acuña and Tockner (2010) showed that the majority of organic C inputs
to river networks is processed within reservoirs, which altered C dynamics in river
reaches below impoundments. Reservoirs alter upstream-downstream organic matter
linkages via increased storage of organic matter within reservoirs (Vörösmarty et al.,
2003) and enhanced loss of carbon as CO2 andmethane (CH4) emissions (Kominoski
& Rosemond 2012; Tranvik et al., 2009).

13.3.4 Impacts on Ecosystem Services

Detrital organic matter is a critical supporting component of many ecosystem func-
tions, and the production, storage, transformation, and transport of organic matter
are spatially and temporally dynamic throughout watersheds and river networks
(Fig. 13.1; Hall & Meyer 1998; Minshall et al., 1983; Thorp & Delong, 1994).
The ability for science to link biophysical processes of litter, to societal values of
ecosystem services requires a mechanistic understanding of how these functions and
services are related and linked spatially and temporally (Bennett et al., 2009; Daily
et al., 2009; Rosemond et al., 2015). A critical knowledge gap is understanding
how these ecosystem services are driven by network-level organic matter dynamics,
which is required given dynamic and heterogeneous changes in transport, sources,
and processing of litter fromvarious locations throughout river networks. The relative
importance of organic matter sources changes longitudinally within river networks
(Vannote et al., 1980). The relative support of the basal resources supporting aquatic
food webs from particulate and dissolved terrestrial and aquatic sources is highly
variable throughout river networks and estuaries (Cawley et al., 2014; Sobczak et al.,
2002). Worldwide construction of dams for hydropower generation increases the
accumulation and burial of organic matter (Downing et al., 2008) that can lead to
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sources of CO2 and methane (Kominoski & Rosemond, 2012; St Louis et al., 2000;
Tranvik et al., 2009). The cycling of nitrogen and phosphorus are closely linked to
the availability of detrital carbon (Kominoski et al., 2018; Rosemond et al., 2015;
Seitzinger et al., 2006; Taylor & Townsend, 2010) and thus the amount of nutrients
retained on land rather than exported downstream where eutrophication and hypoxia
of coastal waters has caused collapse of estuaries (NRC, 2000; Rabalais et al., 2002).
Organicmatter primarily contributes to regulating and supporting ecosystem services
via its control of ecosystem function through microbial food webs and biogeo-
chemical processes that are foundational to many—if not all—aquatic ecosystem
services.

In coastal wetlands, mangrove encroachment can increase ecosystem C storage
(Doughty et al., 2015; Kelleway et al., 2016), but the magnitude of these C storage
differences depends on environmental setting (Yando et al., 2016). The majority of
mangrove carbon storage increases are often due to aboveground biomass (Charles
et al., 2020; Doughty et al., 2015) but some studies show that soil carbon can also
increase either over longer time scales (Kelleway et al., 2016) or in some cases
rapidly (Simpson et al., 2019). Using experimental mangrove removals, Guo et al.
(2017) found that mangrove cover was positive related to soil organic carbon content.
Increases in soil carbon storage when mangroves invade into marshes are likely
driven by an increase in root growth (Fig. 13.4; Coldren et al., 2019). Although
organic matter decomposition is an important driver of the blue carbon storage in
wetlands and of surface elevation, less is known about how decomposition changes
whenmangroves encroach into salt marshes (but see Charles et al., 2020). Decompo-
sition rates in coastal wetlands depends in part on litter quality, but also are controlled
by the oxygen availability in oils, as anoxic conditions limit enzyme reactions that
control organicmatter breakdown (Chapman et al., 2019). It’s possible thatmangrove
encroachment into salt marshes could alter both the litter quality and the oxygen
availability. Perry and Mendelssohn (2009) found no difference in decomposition
rates in plots where mangroves had encroached into the marsh as compared to those
still dominated by the salt marsh grass Spartina alterniflora. However, Charles et al.
(2020) found that mangrove litter decomposed much more slowly than the domi-
nant salt marsh plant Batis martima in coastal Texas sites where mangroves are
encroaching. Taken together, these findings suggest that changes in organic matter
decompositionwithmangrove encroachmentmay depend on the species composition
of the salt marsh.

The ability of aquatic ecosystems to support ecosystem services for society
depends on the timing, quantity, and source of organic matter inputs. Global envi-
ronmental changes (e.g., climate, land-use, and hydrology) influence the quantity,
source, and processing rates of organic matter (Kominoski & Rosemond 2012; Tank
et al., 2010), which challenge our ability to maintain and sustain aquatic ecosystem
services (Fig. 13.1 and examples above). The magnitude and speed of these global
changes lends urgency to better quantify organicmatter dynamics that support aquatic
ecosystem services at network scales. The variability in organic matter sources and
transformations across different aquatic ecosystems (streams, lakes, wetlands) will
result in retention, production and transport dynamics that vary over space and time.
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Fig. 13.4 Response of mangroves and salt marshes to warming conditions: a mangrove height
(cm), where chronic warming accelerates vertical growth, b percent change in cover, where areal
expansions of mangrove shade out salt marsh plants, c change in below-ground plant mass (g/m2),
where increased root productivity and areal coverage of individual mangroves result in greater
below-ground growth, and d change in elevation (mm), which is largely determined by changes
in below-ground biomass. Warming treatments included ambient (control) and warming chamber.
Data are means ± SE. Image from Coldron et al. (2019)
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Chapter 14
Effects of Exotic Tree Plantations
on Plant Litter Decomposition in Streams

Aitor Larrañaga, Aingeru Martínez, Ricardo Albariño, J. Jesús Casas,
Verónica Ferreira, and Romina Principe

Abstract The need for tree-derived industrial products is causing an increase in
the land surface covered by fast-growing monoculture plantations throughout the
world. Species planted are selected mostly prioritizing their rapid growth, with less
consideration to minimizing the negative environmental effects they create. Among
the various ecosystems that can be negatively affected by plantations, streams are
among the most impacted, as they strongly depend on dead organic matter from the
surrounding vegetation. Changes in land use in favour of monocultures can have
large consequences on stream biodiversity and functioning since they can lead to
alterations in the diversity, quantity, quality and timing of litter inputs. Here, we
review the literature dealing with the effects of plantations on litter decomposition in
streams, with special focus on eucalyptus and conifer plantations, which have been
more thoroughly studied than other planted tree species. The effects of plantations
on litter decomposition in streams have a degree of regional specificity, and depend
on the composition of detritivores, litter characteristics (of native and exotic species)
and local environmental conditions. There is, nonetheless, a need for further research
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describing the effects of specific planted exotic species and for more studies out of
Europe and North America.

14.1 Introduction

Trees form dense forests in many parts of the world, but their diversity varies widely
depending on their degree of human intervention, fromprimary growth forests (where
humans have had a negligible effect) to the most intensively managed plantations
(where tree growth is maximized in detriment of diversity; see Box 14.1). The histor-
ical human use of wood and the woodland conversion to agriculture have led to a
gradual but profound modification of landscapes and the reduction in global forest
cover. Thus, today’s natural forests are comprised mostly of modified natural forests
(74%) as opposed to primary (i.e., pristine) forests (26%) (FAO, 2015). Also, with
the growing global population and demand for forest resources, planted forests are
becoming an increasingly important part of the human-modified landscape, along-
side urban, agricultural, and natural forest land cover types (FAO, 2018). Globally,
natural forests cover 3695 million ha (Fig. 14.1) and are decreasing at an annual
rate of 0.24% (FAO, 2015). On the other hand, planted forests cover around 291
million ha, accounting for 7% of the global forest area (Fig. 14.1). The largest area
of planted forests is found in the temperate domain, accounting for 150 million ha,
followed by the tropical and boreal domains with almost 60 million ha each. Asia
has 44.4% of the world’s planted forests, followed by Europe (28.6%), Central and
North America (15%), Africa (5.5%), South America (2.4%) and Oceania (1.5%)
(FAO, 2015; Fig. 14.1). Moreover, planted land surface area is increasing globally at
an average annual rate of 1.84%, ranging from 1.1% in Europe to 2.5% in North and
Central America (FAO, 2015; Fig. 14.1). Land cover by planted exotic tree species
constitutes 25% of planted forests worldwide (FAO, 2015), with dissimilar repre-
sentation around the globe. Plantations of exotic species dominate in the southern
hemisphere, where they represent 88% of the total planted surface in South America,
75% in Oceania, 31% in Africa, and 42% in the Caribbean (Payn et al., 2015). In
contrast, continents with more planted forest cover have a lower proportion of exotic
plantations, from 25% in eastern Asia to 1% in North America (Payn et al., 2015).

Box 14.1 Glossary box for forest definitions modified from FAO (2006b)
Forest:Land spanningmore than 0.5 hawith trees higher than 5mand a canopy
cover ofmore than 10%, or trees able to reach these thresholds in situ. It does not
include land that is predominantly under agricultural or urban landuse. Includes
native and introduced tree species growing naturally or human-assisted.

Natural forest: A forest composed of indigenous/native trees.
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Primary forest: Forest of native species, where there are no clear visible indi-
cations of human activities and the ecological processes are not significantly
disturbed.

Modified natural forest: Forest of naturally regenerated native species where
there are clearly visible indications of human activities. Today most natural
forest cover belongs globally to this category.

Planted forest: Forest in which trees, both native and introduced species, have
been established through planting or seeding. Includes all stands established
through planting or seeding. Includes the subcategories semi-natural forests
and plantations.

Semi-natural forest: Forest of native species, established through planting,
seeding or assisted natural regeneration, such as thinning or fertilization.

Plantation: Forest of usually exotic, but also native, species established
through planting or seedingmainly for production ofwood or non-wood goods.

The majority of planted forest area (three quarters) is grown for productive
purposes (i.e., production of wood, fibre, fuel or non-wood forest products), while
just one quarter is intended for protective purposes (e.g., rehabilitation of degraded
lands, combating desertification or protection of soil andwater) (FAO, 2006a).Mean-
while, afforestation, the process where new forests are planted across tree-less land
(i.e., grasslands and abandoned agricultural lands), has become one of the most
technologically simple methods of removing carbon dioxide from the atmosphere
and storing it as biomass, while controlling water erosion and dust storms, reducing

Fig. 14.1 Left: Natural forest area against the planted forest area per continent. Planted:Natural
ratio isolines are included as a reference. Right: Annual increase rate (%) of planted forest against
the percentage of planted forest in relation to the total forest area. In both cases the global position
(black circle) is added. All the axes are in log-scale (Source [FAO, 2015])
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river sedimentation, and mitigating small floods. Still, plantations (including both
afforestation and reforestation practices) raise concerns about their potential negative
effects on ecosystems. For example, plantations can alter nutrient cycling and catch-
ment hydrology, with negative consequences on soil and water quality and quantity
(Farley et al., 2008; Jackson et al., 2005; Mátyás & Sun, 2014), or even become a
source for invasion when individuals are dispersed from plantations to other areas
(Richardson & Rejmánek, 2011).

Exotic tree species have a long history of being used in forestry, mostly because
selected species have improved productivity compared with that of native species
(e.g., Elfving et al., 2001; Morris et al., 2011). The higher growth rates of selected
exotic species, compared with those of native species, can indeed result in shorter
rotations (Salmón Rivera et al., 2016). The species used in plantations differ among
regions,with conifers dominating colder regions and broadleaves dominatingwarmer
regions; overall, conifers account for 52%of total plantations,with broadleaves repre-
senting 37% and the remaining 11% being unspecified (FAO, 2006a). In order of
importance, the main coniferous genera by cover area are Pinus, Cunninghamia,
Larix, Picea and Cryptomeria while the main broadleaf genera are Eucalyptus,
Populus, Acacia and Tectona (Fig. 14.2). Exotic planted woody species may become
invasive if they expand naturally beyond plantations (Hayson & Murphy, 2003).
Effectively, exotic woody species invading native forests were found to cover 79
million ha worldwide in 2010, with an estimated annual increase rate of 11.3%
considering the period 1990–2010 (FAO, 2015). In a study on forestry tree inva-
siveness, Hayson and Murphy (2003) found that 282 out of 458 species exclusively
used in forestry had become naturalised and invasive, with most species belonging
to the genera Acacia, Eucalyptus, Larix, Picea, Pinus, Populus and Tectona. More
recently, Richardson and Rejmánek (2011) pointed to the genus Acacia (32 spp.)
and Pinus (22 spp.) among the most widespread invasive exotic tree species in 15
regions around the globe. They highlighted that four tree species ranked at the top of
the invasive list: Acacia mearnsii (in 12 regions) and Pinus pinaster, Pinus radiata
and Pinus elliottii (in five or more regions each); all are used in forestry for multiple
purposes. Moreover, they showed that forestry ranked second (after horticulture) as
a main cause of invasive species introduction and dissemination.

Plantations mainly modify terrestrial ecosystems (by replacing native species or
by modifying the attributes and reducing the complexity of natural forests), but fresh
waters can also be critically altered, with forest streams potentially being the most
affected given that they are highly dependent on litter inputs from the surrounding
terrestrial ecosystems, which in turn vary with forest composition, structure and
production (Fausch et al., 2010; Whiles &Wallace, 1997). In this chapter we review
the current knowledge on the effects of tree plantations on leaf litter decomposition
capacity of streams.We focus on two case studies,which are themost prolific in scien-
tific research, namely on eucalyptus and conifer plantations. We summarize the main
findingsof existing researchon these species and thenbriefly review theeffects of less-
known species.We discuss the implications of changes in litter quality and timing, the
consequences of plantation harvesting methods, and the procedures that have been
proven to mitigate the effects of plantations on litter decomposition in streams.
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Fig. 14.2 Plantation area of the most common genera in selected countries of the world with the
largest areas of planted forest (Algeria, Argentina, Australia, Belgium, Brazil, Bulgaria, Chile,
China, Croatia, Czech Republic, Finland, France, India, Indonesia, Iran, Italy, Japan, Latvia,
Lithuania, Malaysia, Myanmar, Netherlands, New Zealand, Norway, Philippines, Poland, Slovakia,
Slovenia, SouthAfrica, Sudan, Sweden,Turkey,Ukraine,UnitedKingdom,UnitedStates,Vietnam).
Plantation areas for production (dark grey) and protection (light grey) goals are shown in the bars
(Source [FAO, 2006a])

14.2 Case Studies

14.2.1 Eucalyptus Plantations (Fig. 14.3)

Eucalyptus is the most planted tree genus out of its natural range worldwide. In 2009,
eucalyptus plantations covered already >20 million ha worldwide, mostly between
35°S and 35°N (Iglesias-Trabado et al., 2009). Three countries alone (Brazil, India
and China) contribute with >50% of total eucalyptus plantation area, but they are
present in >95 countries (Iglesias-Trabado et al., 2009), often also in stream banks.
Still, most studies addressing the effects of eucalyptus plantations on litter decom-
position in streams have been performed in central Portugal and northern Spain. In
these two locations, the climate is warm temperate (drier in central Portugal and
more humid in northern Spain), native forests are characterized by mixed deciduous
broadleaf species dominated by Quercus spp. and Castanea sativa, and the species
used in plantations is Eucalyptus globulus (Ferreira et al., 2016). Therefore, the
current knowledge of this topic is geographically biased and so must be our revi-
sion. Information from other regions will be included whenever possible, but in its



302 A. Larrañaga et al.

absence, extrapolations from temperate regions to other climatic realms should be
made carefully as plantation effects may be context dependent (Ferreira et al., 2019).

Eucalyptus plantations can affect stream environmental conditions through
multiple pathways (Fig. 14.3). Eucalyptus trees have fast growth rates, with rapid
increases in transpiration rates (Forrester et al., 2010). Plantations are generally dense
and young (rotation: ~10 years in temperate regions, ~7 years in tropical regions;
Ferraz et al., 2013; Gabrielle et al., 2013), they have high water demands (Jackson
et al., 2005), and rainfall interception is high, especially compared with deciduous
tree species (Ferraz et al., 2013). These features altogether lead to decreases in runoff
and in aquifer level (Ferraz et al., 2013; Jackson et al., 2005; Lara et al., 2009). Addi-
tionally, soils in eucalyptus plantations are highly hydrophobic (Abelho & Graça,
1996;Walden et al., 2015), likely as a result of the accumulation of oils released from
the leaves during decomposition, which hampers the penetration of rain water into
the soil and the replenishment of groundwater reservoirs. Higher water consump-
tion by trees and loss of soil permeability lead to changes in stream hydrology, with
reduced water flow year round, increased propensity for spates during storms and
reducedwater availability during the dry season, especially in arid regions (Lara et al.,
2009; Scott & Lesch, 1997) (Fig. 14.3). Reduced water availability to feed streams
in summer may lead to temporary habitat loss, resulting in streams characterised by
isolated pools or completely dry (Canhoto & Laranjeira, 2007). Under these condi-
tions, there is reduced solute dilution capacity, which results in toxic conditions for

Fig. 14.3 Conceptual diagram of the effects of eucalyptus plantations on stream environmental
characteristics, communities and processes in temperate regions, which are characterized by native
forests composed ofmixed broadleaf deciduous tree species and seasonality in litter fall.� indicates
change, ↑ indicates increase and ↓ indicates decrease
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stream biota due to the accumulation of polyphenolic compounds leached from euca-
lyptus leaves, reduced pH and reduced dissolved oxygen concentration (Canhoto &
Laranjeira, 2007; Canhoto et al., 2013). Water quality may be reduced in streams
flowing through eucalyptus plantations also as a result of increases in water tempera-
ture if single-stemmed eucalyptus trees with a small crown on the top (the typical tree
habit in plantations) replace wide-canopy native tree species (e.g., Alnus glutinosa,
Salix spp.) (Cordero-Rivera et al., 2017). There may also be an increase in dissolved
nutrient concentrations due to the use of fertilizers in plantations (Hopmans & Bren,
2007) and soil erosion, especially during and after plantation and harvesting, resulting
in increased fine sediment inputs to streams (Siegloch et al., 2014).

Eucalyptus plantations can also alter considerably litter inputs to streams
(Fig. 14.3). These changes can be in terms of timing of litter inputs to streams, with
inputs peaking during autumn in streams flowing through deciduous forests, while
litter inputs are more homogeneously distributed year round or peaking in summer
due to water stress under eucalyptus plantations (Abelho & Graça, 1996; Canhoto
et al., 2002; Molinero & Pozo, 2003, 2004, 2006; Pozo et al., 1997). The annual
quantity of litter inputs to eucalyptus streams may be similar to (Abelho & Graça,
1996) or lower than (Molinero & Pozo, 2003, 2004, 2006; Pozo et al., 1997) litter
inputs to streams under native forests. However, the relative composition of litter
inputs to streams is strongly altered under eucalyptus plantations. Thus, litter accu-
mulated in eucalyptus streams has a higher fraction of twigs and bark (Molinero &
Pozo, 2004; Pozo et al., 1997). Plant species richness and identity in riparian ecotones
under plantations is shifted, resulting in litter inputs dominated by the recalcitrant
eucalyptus litter (Graça et al., 2002;Molinero&Pozo, 2003, 2006; Pozo et al., 1997).
As a result, the quality of litter inputs to eucalyptus streams is decreased (Molinero
& Pozo, 2004, 2006; Pozo et al., 1997). Since litter inputs occur mostly during low
flow conditions and litter is more recalcitrant (i.e., woody material and eucalyptus
leaves), benthic litter standing stock is larger than in streams flowing through native
forests (Molinero & Pozo, 2003, 2004; Pozo et al., 1997).

The changes in stream environmental characteristics described above can affect
stream communities (Fig. 14.3). The community structure of aquatic hyphomycetes
differs between stream types (Bärlocher&Graça, 2002; Ferreira et al., 2006). Species
richness is lower in streams flowing through eucalyptus plantations than in those
under native forests in central Portugal (Bärlocher & Graça, 2002; Ferreira et al.,
2006), while it shows the opposite pattern (Ferreira et al., 2006) or it does not
differ between stream types in northern Spain (Chauvet et al., 1997). In general,
conidia concentration in the water (Bärlocher & Graça, 2002) and sporulation rates
by aquatic hyphomycetes on A. glutinosa and Quercus robur litter incubated in both
stream types does not differ (Ferreira et al., 2006), but maximum sporulation rates
can be higher in eucalyptus streams. Fungal biomass is also higher under euca-
lyptus plantations in Portugal, likely caused by higher water temperature (Ferreira
et al., 2006), but not in Spain (Diez et al., 2002; Molinero et al., 1996; Pozo et al.,
1998). The stronger effects in Portugal compared to Spain are likely due to the
more arid climate in the former region that leads to stronger decreases in water
availability and changes in litter inputs in eucalyptus streams (Ferreira et al., 2006).
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Regarding benthic macroinvertebrates, there is generally lower taxa richness, density
and biomass of total macroinvertebrates and shredders in eucalyptus streams than in
streams flowing through deciduous forests (Abelho & Graça, 1996; Cordero-Rivera
et al., 2017; Ferreira et al., 2015; Larrañaga et al., 2006, 2009a, 2009b;Monroy et al.,
2017) (Fig. 14.3). Negative effects are especially strong for large shredder taxa (e.g.,
amphipods of the genus Echinogammarus and caddisflies of the family Limnephil-
idae), which are more negatively affected by the poor quality of eucalyptus litter
(Larrañaga et al., 2009a; Monroy et al., 2017). Assemblages of detritivore macroin-
vertebrates in streams flowing through eucalyptus plantations are dominated by taxa
that feedonfineparticulate organicmatter and algae (since litter is recalcitrant in these
streams), and are mostly small bodied, with short life cycles, reduced voltinism and
active dispersal (likely an adaptation to summer streamflow reduction and drought
risk) (Larrañaga et al., 2009a, 2009b; Monroy et al., 2017).

The above-mentioned changes in abiotic and biotic factors may alter litter decom-
position in streams (Fig. 14.3). However, it seems that the magnitude and the direc-
tion of the effect depend on specific local factors (Chauvet et al., 2016; Ferreira
et al., 2016; Graça et al., 2002). A recent meta-analysis based on 92 comparisons
between streams flowing through eucalyptus plantations and streams flowing through
native deciduous forests reported in 10 published studies found an overall signifi-
cant inhibition of 22% in litter decomposition rate in streams flowing through plan-
tations when compared with streams flowing through deciduous forests (Ferreira
et al., 2016). The magnitude of the effect varies, however, with plantation extent,
resource type, litter identity and type of community involved (microbes only or
microbes plus macroinvertebrates). The effects of eucalyptus plantations on litter
decomposition are significant when eucalyptus plantation extends into the riparian
area (inhibition of 27%) but not when plantations keep a native riparian buffer, high-
lighting the relevance of maintaining riparian ecotones intact to mitigating plantation
effects (Ferreira et al., 2016). When considering resource type, significant effects are
observed only for leaf litter decomposition (inhibition of 26%) but not for substrates
that included woody components, likely due to the larger role played by inverte-
brates in the decomposition of leaves compared to that of woody substrates (Ferreira
et al., 2016). When considering just leaf litter decomposition, significant effects
were found when macroinvertebrates had access to the leaves (inhibition by 36%)
but not in microbial-driven leaf decomposition. This result suggests that there is
functional redundancy among microbial communities and that plantation effects on
litter decomposition are mediated through changes in macroinvertebrate communi-
ties in temperate regions (Ferreira et al., 2016). Finally, litter quality resulting from
contrasting leaf traits also moderates the effects of eucalyptus plantations on leaf
decomposition with stronger inhibition being found on more palatable leaf species
(inhibition of 51% for alder, A. glutinosa, 27% for oak, Q. robur, and no effect for
eucalyptus, Eucalyptus globulus). This again suggests a stronger role of macroinver-
tebrates in mediating plantation effects on leaf litter decomposition (Ferreira et al.,
2016). The re-analysis of a data subset considering only studies addressing the effects
of eucalyptus plantation on alder and oak leaf litter decomposition in coarse and fine
mesh bags fully illustrates these last results (Fig. 14.4).
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Fig. 14.4 Effect of eucalyptus (Eucalyptus globulus) plantations on alder (Alnus glutinosa) and
oak (Quercus robur) leaf litter decomposition (k,/dd) in streams in the Iberian Peninsula, when
enclosed in coarse and fine mesh bags. R = kEucalyptus stream/kReference stream (total n = 45 from 7
published studies; data subset from Ferreira et al., 2016). R = 1 (dashed line) indicates no effect
of eucalyptus plantations while R < 1 indicates inhibition of k in eucalyptus streams. Effects are
significant when the 95%CI (confidence interval) does not include 1 and treatments significantly
differ when their 95% CI do not overlap. Values in parenthesis indicate sample size (i.e., number
of comparisons between eucalyptus and reference streams). Global R: 0.73 (95% CI: 0.63–0.84).
Missing effects sizes were detected to the left of the global R, with the new estimate being lower
(Global R: 0.63; 95% CI: 0.54–0.73) indicating that the dataset used is conservative. Eucalyptus
plantations inhibit k by an average of 27% (16–37%), but the effect is stronger for coarse than for
fine mesh bags (QM (df = 1) = 11.68, p < 0.001). The effect also tends to be stronger for alder than
for oak, especially in fine mesh bags, but no significant effect of litter species was found (QM (df
= 1) = 2.92, p = 0.087)

The reported effects of eucalyptus plantations on litter decomposition in the
Iberian Peninsula may differ from those in other regions because of differences in
climate, type of native vegetation, eucalyptus species used in plantations and relative
contribution of macroinvertebrates and microbes to litter decomposition, including
their identity. A recent coordinated experiment evaluated the effects of eucalyptus
plantations on A. glutinosa litter decomposition following a paired native forest vs.
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eucalyptus plantation design in seven regions differing in environmental conditions:
central Portugal, northern Spain, Kenya, Chile, Uruguay, central Brazil and southern
Brazil (Ferreira et al., 2019). In general, total litter decomposition (i.e., driven by both
microbes and macroinvertebrates) was significantly inhibited by 23% in this study,
whilemicrobially-driven litter decompositionwas not significantly affected (Ferreira
et al., 2019), which agrees with the meta-analysis addressed above. However, the
magnitude and direction of plantation effects on litter decomposition varied among
regions, suggesting that local conditions are important drivers of the effects of euca-
lyptus plantations on stream ecosystem functioning. When considering total litter
decomposition, the inhibition ranged from 31 to 50% for temperate regions (Spain,
Portugal, South Brazil and Uruguay), where macroinvertebrates are known to play
a central role on decomposition and are most affected by plantations (see above).
Contrastingly, in Kenya, central Brazil and Chile there was high variation in the
response of total litter decomposition to plantations among streams within regions
resulting in an overall non-significant regional effect. This was attributed to various
factors which varied within and among regions: the high variation in the presence
of shredders across streams in Kenya and in their contribution to litter decomposi-
tion (Boyero et al., 2015; Dobson et al., 2004); the high diversity in benthic organic
matter standing stock in eucalyptus streams in central Brazil, allowing a high resource
diversity that may sustain diverse decomposer communities, and eucalyptus leaves
being of higher nutritional quality than more recalcitrant native leaves (Gomes et al.,
2018); and eucalyptus litter being more palatable than recalcitrant native litter in
Chile (Ferreira et al., 2019). When considering microbially-driven litter decom-
position, no significant effect was found in most cases suggesting that microbial
communities are functionally redundant and can adapt to environmental changes
created by plantations more easily. However, stimulation of microbial litter decom-
position by 32–110% was found in Uruguay and central Brazil and inhibition by
48% in Kenya, suggesting that microbial functional redundancy cannot be gener-
alized across regions (Ferreira et al., 2019). The high solar irradiation and primary
production in unshaded eucalyptus streams in Uruguay may allow a priming effect
bywhichmicrobial decomposers benefit from labile carbon originating from primary
producers (Danger et al., 2013; Kuehn et al., 2014) while the high diversity in benthic
organic matter standing stock in eucalyptus streams in central Brazil may allow a
higher diversity of decomposers and microbial inoculum (Ferreira et al., 2019).

To sum up, the effects of eucalyptus plantations on litter decomposition depend
on the region (with stronger effects in regions where macroinvertebrates play an
important role on decomposition), extent of plantations (with stronger effects if
eucalyptus are planted in riparian areas), resource type (decomposition of leaves
being more affected than that of woody substrates), litter species (decomposition
of high quality leaves being more affected than that of low quality leaves), and the
type of decomposer community involved (decompositionmediated by bothmicrobes
and macroinvertebrates being more affected than microbial-driven decomposition).
Thus, stronger negative effects of eucalyptus plantations can then be expected for
streams naturally receiving high-quality litter and where shredders are abundant.
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14.2.2 Conifer Plantations (Fig. 14.5)

Conifer plantations are widespread in temperate and cold regions at both hemi-
spheres. Nevertheless, the majority of studies tackling the effects of conifer planta-
tions, mostly evergreen species (though Larix is deciduous), in streams have been
carried out in temperate climates, where deciduous broadleaf species grow naturally.
Consequently, as above, this reviewwill inevitably offer a biased viewof the effects of
these plantations on litter dynamics in streams. Contrary to eucalyptus studies, which
are based on a single genus (Eucalyptus), with most focusing on E. globulus, studies
on conifers have focused on different species from the genera Abies, Cryptomeria,
Larix, Picea and Pinus. Thus, even if many traits are shared among conifer species,
the variability of effects reviewed here is larger than that of eucalyptus effects. More-
over, conifer species are in some cases planted within their natural distribution range
or biome, but they are included here because they are planted as monospecific dense
stands and/or are intensively managed, thus causing similar harmful effects to those
of their exotic counterparts.

Similar to eucalyptus plantations, conifer plantations have been associated with
an increase in soil hydrophobicity compared to deciduous forests, which has been
linked to increases in surface runoff during rainfall (Butzen et al., 2015). A larger
evapotranspiration of conifers compared to deciduous forests has been proven in
many studies after the seminal work of Swank and Douglass (1974) and has been
shown to reduce annual stream flow, especially in the dry season (Jackson et al.,
2005; Jobbágy et al., 2013). Nevertheless, other studies have shown that this effect is
context-dependent across the world (Komatsu et al., 2007, 2011). Conifer plantations
have been related to water acidification in the UK (Ormerod et al., 1993). However,
the majority of studies in other regions show that this forestry activity does not alter
streamwater physicochemical properties (Martínez et al., 2013, 2016; Riipinen et al.,
2010; Swank & Crossley, 1988; Thompson & Townsend, 2004; Woodall &Wallace,
1972).

Most conifer species planted are evergreen, and thus create important differences
in the timing of litter inputs to streams compared with streams flowing through
deciduous forests where trees shed leaves in autumn (Inoue et al., 2012; Martínez
et al., 2016). Consequently, while in streams flowing through deciduous forests there
is a peak of benthic storage of coarse particulate organic matter (CPOM) in autumn,
litter storage in conifer streams shows less variation throughout the year (Inoue et al.,
2012; Martínez et al., 2016). Nevertheless, CPOM annual budgets are often similar
between both stream types (Martínez et al., 2013, 2016; Miserendino &Masi, 2010;
Riipinen et al., 2009). However, given the lower concentration of nutrients (both
nitrogen and phosphorus) in needles than in leaves of many deciduous tree species
(Casas et al., 2013;Martínez et al., 2013), streamsflowing through conifer plantations
store lower amounts of nutrients in benthic CPOM compared to deciduous forest
streams (Martínez et al., 2016) (Fig. 14.5).
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Fig. 14.5 Conceptual diagram of the effects of conifer plantations on stream environmental charac-
teristics, communities and processes in temperate regions, which are characterized by native forests
composed of mixed broadleaf deciduous tree species and seasonality in litter fall. � indicates
change, ↑ indicates increase, ↓ indicates decrease and ? indicates contradictory results

Conifer tree species produce litter that is poor in nutrients and tough (Casas et al.,
2013; Martínez et al., 2013), so aquatic communities can be energetically chal-
lenged in places where conifers are dominant (Fig. 14.5). Efforts to elucidate the
effects of conifer plantations on aquatic communities have focused mainly on inver-
tebrates, with information about microbial decomposers being scarce. Two studies
addressed the effects of conifer plantations on aquatic hyphomycetes associated
with decomposing litter. In northern Spain, Martínez et al. (2013) did not find a
clear alteration in aquatic hyphomycete sporulation rates and community structure
in streams flowing through Pinus radiata plantations compared to those flowing
through deciduous forests. In contrast, Ferreira et al. (2017) found distinct aquatic
hyphomycete community structure between streams flowing through Cryptomeria
japonica plantations and streams flowing through native laurel forests in Azores
(Fig. 14.5). Regarding the effects onmacroinvertebrates, density and biomass of total
invertebrates have been found to be lower (Friberg, 1997;Whiles&Wallace, 1997) or
similar (Martínez et al., 2013, 2016; Monroy et al., 2017) in streams flowing through
pine plantations compared to those under deciduous forests. Similarly, effects on
shredders vary, with various metrics such as abundance and biomass being reported
as higher (Friberg, 1997; Riipinen et al., 2009, 2010) or lower (Martínez et al., 2013,
2016; Miserendino & Masi, 2010; Riipinen et al., 2010; Whiles & Wallace, 1997)
in streams flowing through conifer plantations. Moreover, specific taxa have been
shown to respond differently to conifer plantations; while Friberg (1997) andWhiles
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and Wallace (1997) found higher abundance of small shredders such as Leuctra in
streams under conifer plantations, Martínez et al. (2016) and Monroy et al. (2017)
reported a size-specific response to pine plantations, with lower density of small
detritivores under this type of streams.

A highly consistent result is that conifer needles are processed slower than most
deciduous leaves (Albariño & Balseiro, 2002; Hisabae et al., 2011; Martínez et al.,
2013; Whiles & Wallace, 1997), due to their low quality (i.e., high toughness and
low nutrient concentration) (Casas et al., 2013; Martínez et al., 2013). However, the
effect of conifer plantations on litter decomposition capacity of streams is unclear
(Fig. 14.6). Martínez et al. (2013) found lower alder litter decomposition rates in
streams under conifer plantations. However, other studies showed faster decompo-
sition rates for broadleaves (Riipinen et al., 2009; Whiles & Wallace, 1997) and
needles (Whiles & Wallace, 1997) in conifer streams compared to native forest
streams. Moreover, Riipinen et al. (2010) did not find differences in litter decompo-
sition rates between streams flowing through broadleaf deciduous forests and conifer
plantations when pH was fitted as covariate. Finally, Ferreira et al. (2017) did not
find differences in decomposition rates of broadleaves and needles when comparing
streams under native evergreen laurel forests and conifer plantations.

A special case is when natural grasslands are converted to plantations with
no maintenance of intact riparian bands, as it occurs in mountain grasslands of
central Argentina afforested extensively with the conifer Pinus elliottii. Grassland
afforestation has profound effects in stream ecosystems, as trees growing in riparian
ecotones reduce sunlight incidence and water temperature regimes (Cibils-Martina
et al., 2017). Planted trees also feed streams with large amounts of CPOM, both
woody and needle litter, thus shifting availability of basal food web resources from
primary producers to allochthonous organicmatter (Principe et al., 2015). As a result,
afforested streams have strongly changed community structure and lower total inver-
tebrate abundance and richness (Márquez et al., 2015). Interestingly, needle litter
decomposes at similar rates in plantation and grassland streams, indicating that large
storage of needle litter in afforested streams is not easily transformed and transferred
along food webs (Márquez et al., 2017; Principe et al., 2015).

14.3 Other Planted Species and Management of Plantations

The scientific literature about the effects of eucalyptus and conifer plantations on litter
decomposition in streams is steadily growing. Although these studies do not cover
all the biomes and the entire latitudinal gradient where eucalyptus and conifer plan-
tations have been established, the current knowledge can already be used with high
confidence for predicting large-scale effects of eucalyptus and conifer plantations on
streams worldwide. For other planted species, the number of studies comparing litter
decomposition in plantation and native forest streams is scarce. A few studies show
that litter decomposition rates in streams are reduced under intensive monospecific
beech (Fagus sylvatica) plantations compared to traditionally managed forests with
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Fig. 14.6 Effect of conifer plantations on alder (Alnus glutinosa) and oak (Quercus robur)
leaf litter decomposition (k,/dd) in streams, when enclosed in coarse and fine mesh bags. R =
kConifer stream/kReference stream (total n = 15 from 2 published studies; data subset from Ferreira et al.,
2016). R = 1 (dashed line) indicates no effect of conifer plantations, R < 1 indicates inhibition and
R > 1 indicates stimulation of k in conifer streams. Effects are significant when the 95%CI does not
include 1 and treatments significantly differ when their 95%CI do not overlap. Values in parenthesis
indicate sample size (i.e., number of comparisons between conifer and reference streams). Global
R: 0.96 (95% CI: 0.77–1.21). Missing effects sizes were detected to the left of the global R, with
the new estimate being lower (Global R: 0.87; 95% CI: 0.70–1.08) but it does not change the result
that was not-significant

high tree diversity (Ferreira et al., 2016; Hladyz et al., 2011; Lecerf &Chauvet, 2008;
Lecerf et al., 2005). In contrast, litter decomposition rates are stimulated in streams
flowing through plane (Platanus hybrida) riparian plantations than in streamsflowing
through native vegetation (Menéndez et al., 2013). Finally, a recent study inMalaysia
found faster litter decomposition of both the native Macaranga sp. and the exotic
oil palm (Elaeis guineensis) in streams flowing through oil palm plantations than
in streams surrounded by native vegetation; accelerated litter decomposition was
mainly driven by microbes, which were boosted by nutrient inputs from plantation
fertilizers (Chellaiah & Yule, 2018a).
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Without specific studies about the effects of other plantations, we can only infer
their effects from the biology, ecology and traits of the planted species. Secondary
compounds produced by plants force evolutionary adaptations in consumers in order
to cope with that toxicity and gain an advantage over consumers who lack the same
adaptation (Futuyma & Agrawal, 2009). This suggests that exotic species used in
plantations may have a larger effect than planted native species on stream detriti-
vore feeding and growth, which is more likely if exotic species differ deeply from
native species in leaf litter traits. As studies accumulate, it is more evident that leaf
traits override the effect of the origin of plant species on decomposition (Davis et al.,
2011; Kennedy & El-Sabaawi, 2017). Litter traits such as the concentration of nutri-
ents, structural compounds and toxic chemicals, and toughness are key for under-
standing the effects of plantations on litter decomposition. However, as the different
traits might have synergistic or antagonistic effects on decomposition, predicting
the consequences of plantations on stream nutrient cycling only by analysing litter
characteristics is unattainable (also, plantations lead to other environmental changes
unrelated to litter characteristics). Although some detritivores are able to compensate
for the low quality of some resources by increasing their consumption (Flores et al.,
2014) and resource preferences do not always correlate with growth and survival of
consumers (Larrañaga et al., 2014; Lewis et al., 2017), consumption of litter, or, by
extension, litter decomposition rates, might be a good approach to partially predict
the effect of plantations on ecosystem level litter decomposition. Litter decomposi-
tion rates of worldwide planted exotic species span a wide range (Fig. 14.7), with
the slowest (plane and Cryptomeria japonica, for total and microbial decomposition,
respectively) and the fastest (poplar Populus × canadensis and eucalyptus) values
falling within the range found for native species (Fig. 14.7). Moreover, decomposi-
tion rates of dominant deciduous forest species such as oak (Quercus spp.) or beech
(Fagus sp.), which form old and well-preserved forests across Europe, are similar
to those of species used for intensive plantations such as E. globulus or Pinus spp.
(Fig. 14.7). Nevertheless, high tree diversity in native forests provides streams with a
large range of litter traits, whichmake communities in these streamsmore productive
and diverse than those under monoculture plantations. Similarly, the presence of a
native species riparian buffer in streams flowing through plantations usually helps
mitigating the direct effects of plantations on aquatic communities and on ecosystem
processes, such as litter decomposition. For instance, riparian trees,which are adapted
to floods,may offer resources of higher quality, such as alder (Alnus spp.) litter, which
can help sustaining aquatic food webs in streams flowing through plantations with
otherwise low quality litter available. Not only riparian buffers strips, but patches of
well-preserved native forests in other places of the catchment can also create a similar
effect. For example, macroinvertebrate communities in stream reaches surrounded
by eucalyptus plantations, but with a large cover of native deciduous vegetation in
the catchment were more similar to stream reaches totally surrounded by deciduous
native vegetation than to those completely surrounded by eucalyptus plantations
(Larrañaga et al., 2009a). Similarly, riparian buffers have been observed to preserve
the structure of aquatic communities in streams in intensively managed oil palm
plantations (Chellaiah & Yule, 2018b). As expected, decomposition rates are higher
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Fig. 14.7 Leaf litter decomposition rates (k, dd) of native (black circles) and exotic (white circles)
tree species in streams in coarse (left) and fine mesh bags (right) (total n = 357 trials from 30
published studies) addressing effects of exotic plantations on leaf litter decomposition in streams
by comparing rates of different species at the same location and/or by comparing rates of the
same species in different locations (only studies that report rates for each location separately are
considered; species considered native or exotic as defined by the authors). k values were calculated
including streams flowing through native forests and through plantations together, but litter decom-
position in coarse and finemesh bags were kept separated. k values are non-significant when 95%CI
includes 0 (dashed line). Values in parenthesis indicate sample size (i.e., number of k values). Large
95%CI are generally due to small sample size and interpretation needs to be made with caution.
Studies used to build this plot marked with an asterisk (*) in the reference section

in locations where riparian buffers are preserved compared to locations with riparian
zones altered by thinning or invaded by exotic species (Casotti et al., 2015). Like-
wise, litter decomposition rates were similar between streams with native vegetation
and streams under eucalyptus plantations maintaining its riparian native vegetation
(Ferreira et al., 2016). Beyond providing high quality litter to streams, riparian buffers
help reducing nutrient and sediment inputs (de Souza et al., 2013; Jones et al., 2001)
and increasing shading andmitigating temperature fluctuations (Broadmeadow et al.,
2011; read Feld et al., 2018 for a recent review on riparian buffers). Nonetheless, the
characteristics of the riparian buffers needed to preserve decomposition rates remain
poorly known. In this line, Lecerf and Richardson (2010) observed that litter decom-
position in streams with 10–30 metres wide riparian buffers in native conifer forest
catchments that had been harvested 8 years before still differed in decomposition
from streams flowing through preserved forest.

In addition to the negative effects attributed to most plantations as trees grow,
harvesting is by far the single event with the largest impact on the structure and
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functioning of streams. Flow regime is disrupted (Martin et al., 2000), inputs of fine
sediments are incremented (Kreutzweiser & Capell, 2001), inputs of organic matter
are suddenly augmented during the forestry activities and then reduced (Santiago
et al., 2011) and biota is consequently altered (Banks et al., 2007). Road density
built for harvesting increases sediment inputs and deposition and slows down in situ
litter decomposition (Erdozain et al., 2018). Contrastingly, litter decomposition can
be stimulated by the release of soil nutrients from clearcut practices (McKie &
Malmqvist, 2009) and by changing plant composition in the riparian zones (Komi-
noski et al., 2011). Best management practices (BMPs) can reduce the effect of
forest harvesting on streams (McBroom et al., 2008; Smolders et al., 2018), but
even following BMPs logging is able to reduce decomposition (Kreutzweiser et al.,
2008), as BMPs do not totally mitigate the changes originated. As expected, the
partial felling of trees (i.e., thinning) instead of large scale clearcuts reduces the
impact of plantations on stream communities (Quinn et al., 2004) and litter decom-
position (Lecerf & Richardson, 2010). Regardless of changes induced by clearcut-
ting, they are long lasting; more than a decade is usually needed for a full recovery
back to reference conditions. For instance, Stone andWallace (1998) reported stream
macroinvertebrate communities had recovered to reference conditions only 16 years
after catchment clearcutting. Similarly, effects of harvesting on litter decomposition
rates can last more than a decade (Griffith & Perry, 1991; Guevara et al., 2015;
Webster et al., 2014; Yeung et al., 2017). In plantations where the harvesting cycle
is shorter than the time needed for the recovery of stream communities and decom-
position rates, we might anticipate an accumulation of effects of multiple harvesting
cycles, although this has not been proven yet.

When to harvest a plantation is a paramount decision in order to maximize the
production of resources. As trees develop the biomass produced per year decreases,
thus, short harvesting cycles are optimal from an economic point of view, albeit they
can become the main culprit of the impact that some planted species have on aquatic
systems. Not all planted species are managed equally and there is a link between
their productivity and the tree species cultivated. Hengeveld et al. (2012) summarized
the applicability of different plantation tree species to different forest management
approaches in Europe (Fig. 14.8). These authors consider five categories of forestry,
from the most intensive, based on short rotations, to the most natural, i.e., natural
reserves. The genera most suited for intensive forestry, and thus least suitable for
conservation purposes, were Eucalyptus, Robinia and Pseudotsuga, exotic species in
Europe (Fig. 14.8). These three genera are considered totally inadequate for nature
reserves in Europe, with Eucalyptus not even adequate for close-to-nature forests.
On the other end Carpinus, Betula, Fraxinus, Alnus or Fagus are considered of high
value for nature reserves, but inadequate for short rotation forestry (Fig. 14.8). This
analysis emphasizes that traits of particular tree species can constrain their use more
to production or to conservation. Nevertheless, most species show a relatively high
applicability (>20%) to at least three management approaches, which shows that
beside the selection of species, the intensity of plantation exploitation can be adapted
either to maximize production or to minimize environmental impacts. In this sense,
the previously described negative effects of native beech plantations on freshwater
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Fig. 14.8 Relative applicability of different tree genus/species for different forest management
approaches in Europe, from nature reserves to short rotation forestry. The transversal line compiles
the relative applicability into a single index (i.e., Intensive use applicability index; scale in top
X axis) considering the five forest management approaches as numbers, from Nature reserve (1)
to Short rotation forestry (5) and weighing them by the relative applicability percentages (e.g.,
Eucalyptus spp.: (3 * 20% + 4 * 40% + 5 * 40%)/100 = 4.2). Species are ordered following the
applicability to intensive use (less to more, from top to bottom) (Source [Hengeveld et al., 2012])

litter decomposition (Ferreira et al., 2016; Hladyz et al., 2011a, 2011b; Lecerf et al.,
2005), illustrates the relevance of how forestry is implemented beside which is the
species selected for plantations.

14.4 Concluding Remarks

From this review we can distil the following ideas:

1. Plantations can alter litter decomposition in stream ecosystems by means of
changes in hydrology,water quality, leaf litter inputs (including quantity, quality,
timing) and biota.

2. Some planted tree species have received special scientific attention (eucalyptus
and conifers), with most of the studies carried out in Europe andNorth America.
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Studies on other tree species and regions are needed to allow drawing more
general conclusions.

3. The decomposability of the leaf litter produced by planted species is similar to
that of many species dominating native forests. Deficiency or absence of appro-
priate riparian buffers strongly contribute to the deleterious effect of plantations
on stream decomposition capacity.

4. Although planted tree species can display intrinsic economic and environmental
values, they can always bemanaged in a rangeof differentways tofind a trade-off
between productivity and conservation.

5. There are proven measures that help mitigate the impacts of plantations on
litter decomposition in freshwaters (conserving riparian buffers and following
Best Management Practices, for instance). Unfortunately, they are yet to be
implemented in many places of the world.
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Laćan, I., Rers, V. H., & McBride, J. R. (2010). Similar breakdown rates and benthic macroinverte-
brate assemblages on native andEucalyptus globulus leaf litter in Californian streams.Freshwater
Biology, 55(4), 739–752. https://doi.org/10.1111/j.1365-2427.2009.02312.x (*).

Lara, A., Little, C., Urrutia, R., McPhee, J., Álvarez-Garretón, C., Oyarzún, C., Soto, D., Donoso,
P., Nahuelhual, L., Pino, M., & Arismendi, I. (2009). Assessment of ecosystem services as an
opportunity for the conservation and management of native forests in Chile. Forest Ecology and
Management, 258(4), 415–424. https://doi.org/10.1016/j.foreco.2009.01.004.

Larrañaga, A., Basaguren, A., Elosegi, A., & Pozo, J. (2009a). Impacts of Eucalyptus globulus
plantations on Atlantic streams: Changes in invertebrate density and shredder traits.Fundamental
and Applied Limnology/Archiv Für Hydrobiologie, 175(2), 151–160. https://doi.org/10.1127/
1863-9135/2009/0175-0151.

Larrañaga, A., Basaguren, A., & Pozo, J. (2009b). Impacts of Eucalyptus globulus plantations
on physiology and population densities of invertebrates inhabiting Iberian atlantic streams.
International Review of Hydrobiology, 94(4), 497–511. https://doi.org/10.1002/iroh.200811156.

Larrañaga, A., Basaguren, A., & Pozo, J. (2014a). Resource quality controls detritivore consump-
tion, growth, survival and body condition recovery of reproducing females. Marine & Freshwater
Research, 65(10), 910–917. https://doi.org/10.1071/mf13165.

Larrañaga, A., Larrañaga, S., Basaguren, A., Elosegi, A., & Pozo, J. (2006). Assessing impact of
eucalyptus plantations on benthic macroinvertebrate communities by a litter exclusion experi-
ment. Annals of Limnology-International Journal of Limnology, 42(1), 1–8. https://doi.org/10.
1051/limn/2006002.

Larrañaga, S., Larrañaga, A., Basaguren, A., Elosegi, A., & Pozo, J. (2014b). Effects of exotic
eucalypt plantations on organic matter processing in Iberian streams. International Review of
Hydrobiology, 99(5), 363–372. https://doi.org/10.1002/iroh.201301665 (*).

Lecerf, A., & Chauvet, E. (2008). Diversity and functions of leaf-decaying fungi in human-altered
streams. Freshwater Biology, 53(8), 1658–1672. https://doi.org/10.1111/j.1365-2427.2008.019
86.x.

https://doi.org/10.1023/a:1011175013278
https://doi.org/10.1111/fwb.12918
https://doi.org/10.1002/hyp.7898
https://doi.org/10.1016/j.jhydrol.2007.01.009
https://doi.org/10.1890/10-0028.1
https://doi.org/10.1139/x02-086
https://doi.org/10.1899/07-034r.1
https://doi.org/10.1890/13-0430.1
https://doi.org/10.1111/j.1365-2427.2009.02312.x
https://doi.org/10.1016/j.foreco.2009.01.004
https://doi.org/10.1127/1863-9135/2009/0175-0151
https://doi.org/10.1002/iroh.200811156
https://doi.org/10.1071/mf13165
https://doi.org/10.1051/limn/2006002
https://doi.org/10.1002/iroh.201301665
https://doi.org/10.1111/j.1365-2427.2008.01986.x


320 A. Larrañaga et al.

Lecerf, A., Dobson,M., Dang, C. K., &Chauvet, E. (2005). Riparian plant species loss alters trophic
dynamics in detritus-based stream ecosystems. Oecologia, 146(3), 432–442. https://doi.org/10.
1007/s00442-005-0212-3.

Lecerf, A., & Richardson, J. S. (2010). Litter decomposition can detect effects of high andmoderate
levels of forest disturbance on stream condition. Forest Ecology and Management, 259(12),
2433–2443. https://doi.org/10.1016/j.foreco.2010.03.022.

Lewis, S. E., Piatt, J. J., & Lewis, A. S. L. (2017). Amphipods (Gammarus pseudolimnaeus) prefer
but are harmed by a diet of non-native leaves. Freshwater Science, 36(4), 739–749. https://doi.
org/10.1086/694855.

López, E. S., Pardo, I., & Felpeto, N. (2001). Seasonal differences in green leaf breakdown and
nutrient content of deciduous and evergreen tree species and grass in a granitic headwater stream.
Hydrobiologia, 464(1–3), 51–61. https://doi.org/10.1023/a:1013903500888 (*).

Márquez, J. A., Cibils, L., Principe, R. E., & Albariño, R. J. (2015). Stream macroinvertebrate
communities change with grassland afforestation in central Argentina. Limnologica, 53, 17–25.
https://doi.org/10.1016/j.limno.2015.05.002.

Márquez, J. A., Principe, R. E., Cibils Martina, L., & Albariño, R. J. (2017). Pine needle litter acts
as habitat but not as food source for stream invertebrates. International Review of Hydrobiology,
102(1–2), 29–37. https://doi.org/10.1002/iroh.201601856.

Martin, C.W., Hornbeck, J.W., Likens, G. E., &Buso, D. C. (2000). Impacts of intensive harvesting
on hydrology and nutrient dynamics of northern hardwood forests.Canadian Journal of Fisheries
and Aquatic Sciences, 57(S2), 19–29. https://doi.org/10.1139/cjfas-57-s2-19.

Martínez, A., Larrañaga, A., Miguélez, A., Yvon-Durocher, G., & Pozo, J. (2016). Land use
change affects macroinvertebrate community size spectrum in streams: The case of Pinus radiata
plantations. Freshwater Biology, 61(1). https://doi.org/10.1111/fwb.12680.

Martínez, A., Larrañaga, A., Pérez, J., Descals, E., Basaguren, A., & Pozo, J. (2013). Effects of
pine plantations on structural and functional attributes of forested streams. Forest Ecology and
Management, 310, 147–155. https://doi.org/10.1016/j.foreco.2013.08.024 (*).

Mátyás, C., & Sun, G. (2014). Forests in a water limited world under climate change.Environmental
Research Letters, 9(8), https://doi.org/10.1088/1748-9326/9/8/085001.

McBroom,M.W., Beasley, R. S., Chang, M., & Ice, G. G. (2008). Storm runoff and sediment losses
from forest clearcutting and stand re-establishment with best management practices in East Texas,
USA. Hydrological Processes, 22(10), 1509–1522. https://doi.org/10.1002/hyp.6703.

McKie, B. G., & Malmqvist, B. (2009). Assessing ecosystem functioning in streams affected by
forest management: Increased leaf decomposition occurs without changes to the composition
of benthic assemblages. Freshwater Biology, 54(10), 2086–2100. https://doi.org/10.1111/j.1365-
2427.2008.02150.x.

Menéndez, M., Descals, E., Riera, T., &Moya, O. (2013). Do non-native Platanus hybrida riparian
plantations affect leaf litter decomposition in streams? Hydrobiologia, 716(1), 5–20. https://doi.
org/10.1007/s10750-013-1539-0.

Miserendino, M. L., & Masi, C. I. (2010). The effects of land use on environmental features
and functional organization of macroinvertebrate communities in Patagonian low order streams.
Ecological Indicators, 10(2), 311–319. https://doi.org/10.1016/j.ecolind.2009.06.008.

Molinero, J., & Pozo, J. (2003). Balances de hojarasca en dos arroyos forestados: Impacto de
las plantaciones de eucalipto en el funcionamiento ecológico de un sistema lótico. Limnetica,
22(3–4), 63–70.

Molinero, J., & Pozo, J. (2004). Impact of a eucalyptus (Eucalyptus globulus Labill.) plantation on
the nutrient content and dynamics of coarse particulate organic matter (CPOM) in a small stream.
Hydrobiologia, 528(1–3), 143–165. https://doi.org/10.1007/s10750-004-2338-4.

Molinero, J., & Pozo, J. (2006). Organic matter, nitrogen and phosphorus fluxes associated with
leaf litter in two small streams with different riparian vegetation: A budget approach. Archiv fur
Hydrobiologie, 166(3), 363–385. https://doi.org/10.1127/0003-9136/2006/0166-0363.

https://doi.org/10.1007/s00442-005-0212-3
https://doi.org/10.1016/j.foreco.2010.03.022
https://doi.org/10.1086/694855
https://doi.org/10.1023/a:1013903500888
https://doi.org/10.1016/j.limno.2015.05.002
https://doi.org/10.1002/iroh.201601856
https://doi.org/10.1139/cjfas-57-s2-19
https://doi.org/10.1111/fwb.12680
https://doi.org/10.1016/j.foreco.2013.08.024
https://doi.org/10.1088/1748-9326/9/8/085001
https://doi.org/10.1002/hyp.6703
https://doi.org/10.1111/j.1365-2427.2008.02150.x
https://doi.org/10.1007/s10750-013-1539-0
https://doi.org/10.1016/j.ecolind.2009.06.008
https://doi.org/10.1007/s10750-004-2338-4
https://doi.org/10.1127/0003-9136/2006/0166-0363


14 Effects of Exotic Tree Plantations on Plant Litter … 321

Molinero, J., Pozo, J., &González, E. (1996). Litter breakdown in streams of the Agüera catchment:
Influence of dissolved nutrients and land use. Freshwater Biology, 36(3), 745–756. https://doi.
org/10.1046/j.1365-2427.1996.00125.x (*).

Monroy, S., Martínez, A., López-Rojo, N., Pérez-Calpe, A. V., Basaguren, A., & Pozo, J. (2017).
Structural and functional recovery of macroinvertebrate communities and leaf litter decompo-
sition after a marked drought: Does vegetation type matter? Science of the Total Environment,
599–600, 1241–1250. https://doi.org/10.1016/j.scitotenv.2017.05.093.

Morris, T. L., Esler, K. J., Barger, N. N., Jacobs, S. M., & Cramer, M. D. (2011). Ecophysiolog-
ical traits associated with the competitive ability of invasive Australian acacias. Diversity and
Distributions, 17(5), 898–910. https://doi.org/10.1111/j.1472-4642.2011.00802.x.

Ormerod, S. J., Rundle, S. D., Lloyd, E. C., & Douglas, A. A. (1993). The influence of riparian
management on the habitat structure and macroinvertebrate communities of upland streams
draining plantation forests. The Journal of Applied Ecology, 30(1), 13. https://doi.org/10.2307/
2404266.

Payn, T., Carnus, J.-M., Freer-Smith, P., Kimberley, M., Kollert, W., Liu, S., Orazio, C., Rodriguez,
L., Silva, L. N., & Wingfield, M. J. (2015). Changes in planted forests and future global impli-
cations. Forest Ecology and Management, 352, 57–67. https://doi.org/10.1016/j.foreco.2015.
06.021.

Pozo, J. (1993). Leaf litter processing of alder and eucalyptus in the Agüera stream system (northern
Spain). I: Chemical changes. Archiv Für Hydrobiologie, 127(3), 299–317. (*).

Pozo, J., Basaguren, A., Elósegui, A., Molinero, J., Fabre, E., & Chauvet, E. (1998). Afforesta-
tion with Eucalyptus globulus and leaf litter decomposition in streams of northern Spain.
Hydrobiologia, 373(374), 101–109. https://doi.org/10.1007/bf00017570 (*).

Pozo, J., González, E., Díez, J. R., Molinero, J., & Elósegui, A. (1997). Inputs of particulate organic
matter to streams with different riparian vegetation. Journal of the North American Benthological
Society, 16(3), 602–611. https://doi.org/10.2307/1468147.

Principe, R. E., Márquez, J. A., Martina, L. C., Jobbágy, E. G., & Albariño, R. J. (2015). Pine
afforestation changesmore strongly community structure than ecosystem functioning in grassland
mountain streams. Ecological Indicators, 57, 366–375. https://doi.org/10.1016/j.ecolind.2015.
04.033.

Quinn, J. M., Boothroyd, I. K. G., & Smith, B. J. (2004). Riparian buffers mitigate effects of pine
plantation logging on New Zealand streams 2. Invertebrate communities. Forest Ecology and
Management, 191, 129–146. https://doi.org/10.1016/j.foreco.2003.11.013.

Richardson, D. M., & Rejmánek, M. (2011). Trees and shrubs as invasive alien species—A global
review. Diversity and Distributions, 17(5), 788–809. https://doi.org/10.1111/j.1472-4642.2011.
00782.x.

Riipinen, M. P., Davy-Bowker, J., & Dobson, M. (2009). Comparison of structural and functional
stream assessment methods to detect changes in riparian vegetation and water pH. Freshwater
Biology, 54(10), 2127–2138. https://doi.org/10.1111/j.1365-2427.2008.01964.x.

Riipinen, M. P., Fleituch, T., Hladyz, S., Woodward, G., Giller, P., & Dobson, M. (2010). Inver-
tebrate community structure and ecosystem functioning in European conifer plantation streams.
Freshwater Biology, 55(2), 346–359. https://doi.org/10.1111/j.1365-2427.2009.02278.x (*).

Salmón Rivera, B., Barrette, M., & Thiffault, N. (2016). Issues and perspectives on the use of exotic
species in the sustainable management of Canadian forests. Reforesta, (1), 261–280. https://doi.
org/10.21750/refor.1.13.13.

Santiago, J., Molinero, J., & Pozo, J. (2011). Impact of timber harvesting on litterfall inputs and
benthic coarse particulate organic matter (CPOM) storage in a small stream draining a eucalyptus
plantation. Forest Ecology and Management, 262(6), 1146–1156. https://doi.org/10.1016/j.for
eco.2011.06.018.

Scott, D. F., & Lesch,W. (1997). Streamflow responses to afforestation withEucalyptus grandis and
Pinus patula and to felling in the Mokobulaan experimental catchments, South Africa. Journal
of Hydrology, 199(3–4), 360–377. https://doi.org/10.1016/s0022-1694(96)03336-7.

https://doi.org/10.1046/j.1365-2427.1996.00125.x
https://doi.org/10.1016/j.scitotenv.2017.05.093
https://doi.org/10.1111/j.1472-4642.2011.00802.x
https://doi.org/10.2307/2404266
https://doi.org/10.1016/j.foreco.2015.06.021
https://doi.org/10.1007/bf00017570
https://doi.org/10.2307/1468147
https://doi.org/10.1016/j.ecolind.2015.04.033
https://doi.org/10.1016/j.foreco.2003.11.013
https://doi.org/10.1111/j.1472-4642.2011.00782.x
https://doi.org/10.1111/j.1365-2427.2008.01964.x
https://doi.org/10.1111/j.1365-2427.2009.02278.x
https://doi.org/10.21750/refor.1.13.13
https://doi.org/10.1016/j.foreco.2011.06.018
https://doi.org/10.1016/s0022-1694(96)03336-7


322 A. Larrañaga et al.

Siegloch, A. E., Suriano, M., Spies, M., & Fonseca-Gessner, A. (2014). Effect of land use on
mayfly assemblages structure in neotropical headwater streams. Anais da Academia Brasileira
de Ciências, 86(4), 1735–1747. https://doi.org/10.1590/0001-3765201420130516.

Smolders, K. E., Rolls, R. J., Boulton, A. J., Webb, A. A., & Sheldon, F. (2018). Effects of selective
forest harvesting best management practices on organic matter and invertebrate detritivores in
streams draining subtropical eucalypt fores.Ecological Engineering, 122(May), 271–285. https://
doi.org/10.1016/j.ecoleng.2018.08.010.

Stefánsdóttir, H. M. (2010). Transport and decomposition of allochthonous litter in Icelandic
headwater streams: Effects of forest cover. MS - Thesis (p. 106) (*).

Stone, M. K., & Wallace, J. B. (1998). Long-term recovery of a mountain stream from clear-cut
logging: The effects of forest succession on benthic invertebrate community structure.Freshwater
Biology, 39(1), 151–169. https://doi.org/10.1046/j.1365-2427.1998.00272.x.

Swank, W. T., & Crossley Jr, D. A. (1988). Summary for policymakers. In Intergovernmental Panel
on Climate Change (Ed.), Climate Change 2013—The Physical Science Basis (pp. 1–30). https://
doi.org/10.1017/cbo9781107415324.004.

Swank, W. T., & Douglass, J. E. (1974). Streamflow greatly reduced by converting deciduous
hardwood stands to pine. Science, 185(4154), 857–859. https://doi.org/10.1126/science.185.415
4.857.

Thompson, R. M., & Townsend, C. R. (2004). Impacts of riparian afforestation on stream biofilms:
An exotic forest-native grassland comparison. New Zealand Journal of Marine and Freshwater
Research, 38(5), 895–902. https://doi.org/10.1080/00288330.2004.9517288.

Walden, L. L., Harper, R. J., Mendham, D. S., Henry, D. J., & Fontaine, J. B. (2015). Eucalyptus
reforestation induces soil water repellency. Soil Research, 53(2), 168–177. https://doi.org/10.
1071/sr13339.

Webster, J. R., Benfield, E. F.,Golladay, S.W.,&McTammany,M.E. (2014).Recovery of particulate
organic matter dynamics in a stream draining a logged watershed. In Wayne T. Swank & J. R.
Webster (Eds.), Long-term response of a forest watershed ecosystem. Clearcutting in the southern
Appalachian. (p. 610). Oxford University Press, 156–176.

Whiles, M. R., &Wallace, J. B. (1997). Leaf litter decomposition and macroinvertebrate communi-
ties in headwater streams draining pine and hardwood catchments. Hydrobiologia, 353, 107–119.
https://doi.org/10.1023/a:1003054827248 (*).

Woodall, W. R., & Wallace, J. B. (1972). The benthic fauna in four small southern Appalachian s
treams. American Midland Naturalist, 88(2), 393. https://doi.org/10.2307/2424364.

Yeung, A. C. Y., Lecerf, A., & Richardson, J. S. (2017). Assessing the long-term ecological effects
of riparian management practices on headwater streams in a coastal temperate rainforest. Forest
Ecology and Management, 384, 100–109. https://doi.org/10.1016/j.foreco.2016.10.044.

https://doi.org/10.1590/0001-3765201420130516
https://doi.org/10.1016/j.ecoleng.2018.08.010
https://doi.org/10.1046/j.1365-2427.1998.00272.x
https://doi.org/10.1017/cbo9781107415324.004
https://doi.org/10.1126/science.185.4154.857
https://doi.org/10.1080/00288330.2004.9517288
https://doi.org/10.1071/sr13339
https://doi.org/10.1023/a:1003054827248
https://doi.org/10.2307/2424364
https://doi.org/10.1016/j.foreco.2016.10.044


Chapter 15
Salt Modulates Plant Litter
Decomposition in Stream Ecosystems

Cristina Canhoto, Felix Bärlocher, Miguel Cañedo-Argüelles, Rosa Gómez,
and Ana Lúcia Gonçalves

Abstract Human activities are altering ion composition and concentrations in
streams around the globe. This has implications for aquatic biota and for key
ecosystem functions such as leaf litter decomposition. In this chapter we present
an overview of the causes of stream salinization and its impacts on litter decom-
position through changes in the quality and characteristics of leaf litter inputs, the
habitat condition and biological communities within the context of global change.
Also, salinized streams are put into perspective and compared with naturally saline
streams to better understand the potential of salinization to alter biological commu-
nities and ecosystem functioning. Finally, we discuss major knowledge gaps and new
research lines. Understanding how increased salinity and altered ion concentration
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modulate litter decomposition in streams is urgent, since we remain largely obliv-
ious to the implications for ecosystem functioning and services that sustain human
welfare.

15.1 Stream Salinization

Soil salinization (i.e., soil salt content increase) has been long recognized as an
environmental problem causing ecosystem degradation and economic losses asso-
ciated with crop damage (Ghassemi et al., 1995; Thomas & Middleton, 1993).
Although the salt that builds up in soil is obviously being transported to surrounding
rivers and streams via surface runoff and groundwater (Peck, 1978), the saliniza-
tion of freshwater ecosystems was largely overlooked during the twentieth century
(Cañedo-Argüelles, 2020). Increased salinity of rivers and streams first started to
attract public and scientific attention in Australia, mainly due to investigations by
Professor William D. Williams (e.g., Williams, 2001; Williams et al., 1991) and the
salinization of the Murray-Darling basin, which drains one of the most significant
agricultural areas in the country (Jolly et al., 2001). Different researchers pointed
out that increased salt concentration (mainly sodium chloride) of the water posed a
considerable risk to Australian freshwater biodiversity (Hart et al., 1990; James et al.,
2003; Kefford et al., 2003; Nielsen et al., 2003) and led to significant economic (e.g.,
infrastructure corrosion) and human health (e.g., virus transmission) costs that forced
managers and policy-makers to take action (Jardine et al., 2007; Wilson, 2004).

The severe impact of salinization on freshwater ecosystems in Australia was
largely perceived as a local phenomenon restricted to arid landscapes (Cañedo-
Argüelles, 2020). A notable exceptionwas documented inGermany, where theWerra
and Wipper Rivers were severely salinized by potash mining industries (Schulz &
Cañedo-Argüelles, 2019). In the first decade of the twenty-first century other causes
of salinization emerged, such as road salt application (Kaushal et al., 2005) or coal
mining (Pond et al., 2008), and freshwater salinization started being recognized
as a global environmental problem. All these activities are leading to an increase
in the salt concentration of freshwater ecosystems, but each has a specific ionic
signature. For example, sodium and chloride are associated with agriculture and
farming (Rengasamy, 2006), whereas sulfate is associatedwith coal mining (Cormier
et al., 2013; Pond et al., 2008). Nowadays, the increase in salinity associated with
human activities has been documented for freshwater ecosystems around the world
(Cañedo-Argüelles et al., 2016, 2019) such as lakes (Dugan et al., 2017), rivers
(Cañedo-Argüelles et al., 2013) and wetlands (Herbert et al., 2015).

Recent calculations show that around one third of the streams in theUSA (Kaushal
et al., 2018) and Spain (Estévez et al., 2019) are salinized. This is close to the 25%
that Williams (2001) estimated for the surface waters of the World. In the future,
changes in land use (e.g., increased agriculture and resource extraction) coupled with
climate change will very likely exacerbate freshwater salinization. For example, Le
et al. (2019) predicted 10–15% increases in mean electrical conductivity of German
rivers and streams for the period between 2070 and 2100. For the USA, Olson (2019)
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predicted an increase in median conductivity of streams and rivers from 0.319ms/cm
to 0.524 ms/cm by the end of the century. Arid areas are probably at greatest risk of
salinization due to their geological characteristics and the scarcity of water (Estévez
et al., 2019; Kaushal et al., 2018; Olson, 2019). Among them, regions with natu-
rally saline groundwaters are most prone to salinization. In these areas, the replace-
ment of deep-rooted vegetation by crops and pastures leads to rising water tables
that can cause drastic salinization of soils and surface waters (Rengasamy, 2006;
Williams, 2001). Although this has been mainly shown for Southwestern Australia,
it is very likely occurring in many regions of the World (e.g., South Asia) without
being reported (Cañedo-Argüelles, 2020).

Despite the general recognition that freshwaters are among the ecosystems most
threatened by human activities (Brondizio et al., 2019), and that freshwater saliniza-
tion will expand and intensify in the near future, the emergence of salinization as a
major freshwater problem has been overshadowed by other environmental stressors
(Cañedo-Argüelles, 2020). The natural occurrence of salts in freshwaters (e.g., due
to rock weathering) may have contributed to this lack of attention by both scientists
and managers, particularly in non-arid areas (Gorostiza & Sauri, 2019). However,
pressed by global change contexts (Jones & van Vliet, 2018; Velasco et al., 2019),
the urgency of establishing guidelines (e.g., setting ion concentration standards) is
now on the agenda to protect these systems and the goods and services that they
provide (Schuler et al., 2019).

15.2 Stream Ecosystems Are Intimately Linked to Their
Surroundings

The importance of mutual exchanges between running waters and their terrestrial
surroundings has been recognized since the early decades of the twentieth century,
and has become the focus of considerable research effort since the late 1960s (Hynes,
1975). Many streams are basically heterotrophic: they derive most of their energy
from the riparian vegetation in the form of leaves, needles, twigs and branches
(Allan & Castillo, 2007; Giller & Malmquist, 1999). This detritus, especially in
the form of deciduous leaves, is a major source of food for many types of inver-
tebrates (Allan & Castillo, 2007; Cummins & Klug, 1979). It is also a substrate
for Archaea, Bacteria and Fungi (Das et al., 2007; Manerkar et al., 2008). Among
the latter, aquatic hyphomycetes predominate, but other groups, such as zoosporic
fungi and yeasts, occur as well (Bärlocher et al., 2012; Duarte et al., 2013; Seena
et al., 2019). Kaushik andHynes (1968, 1971) published two landmark papers, where
they demonstrated the greater involvement of fungi than bacteria in leaf decomposi-
tion and observed that detritus-feeding invertebrates (shredders) prefer to consume
leaves colonized by fungi. This preference for fungally conditioned leaves has since
been confirmed many times (though there are exceptions), and the topic has been
reviewed recently by Bärlocher and Sridhar (2014) andMarks (2019). By combining
fungal production rates and standing crops of leaf litter, annual fungal production in
streams has been estimated to range between 16 and 193 g/m2 (Gulis et al., 2006,
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2019), which is equal to or exceeds bacterial or invertebrate production in compa-
rable streams. These numbers have stimulated a great deal of interest in both fungi
and invertebrates, and their individual or joint impact on litter decomposition and
food webs, and how these might be impacted by anthropogenic stressors (Bärlocher,
2016; Gessner et al., 2007; Krauss et al., 2011).

15.3 Effects of Stream Salinization on Litter Decomposition

Much of the stream water chemistry is profoundly influenced by the surrounding
geology; even during heavy storms considerably less than half the water volumemay
enter streams via overland flow (Allan & Castillo, 2007). This implies that most of
the water entering streams has been in contact with the soil for a considerable length
of time. Therefore, most of the salt accumulated in soils (e.g., due to agricultural
activities) will reach streams and rivers via surface, subsurface and groundwater
flow (Peck, 1978), potentially affecting litter decomposition.

Information on the ecological impacts of salinization on leaf litter decomposition
is still fragmentary, particularly considering the predicted geographical expansion of
the problem (Kaushal et al., 2018). However, our knowledge has improved in the last
decade (Cañedo-Arguelles et al., 2019; Hintz & Relyea, 2019) and indicates that,
generally, salinization leads to a decrease in leaf decay rates (Berger et al., 2019;
Cañedo-Argüelles et al., 2014, 2019; Canhoto et al., 2017; Gonçalves, Carvalho,
et al., 2019; Sauer et al., 2016; Schäfer et al., 2012) or, less commonly, has no
effect (Casas et al., 2011; Gonçalves, Simões, et al., 2019; Sauer et al., 2016; Vorste
et al., 2019). Leaf degradation impairment seems to result initially from osmotic
imbalances in macroinvertebrates (see below), which promote a decrease in total
abundance and a taxon-specific decrease in diversity (Kefford et al., 2003). The lethal
and sublethal effects of salinization on invertebrates result in microbially dominated
decomposition, promoted by a less diverse and highly salt tolerant fungal community
(Fig. 15.1).

Fig. 15.1 Leaf decomposition in a gradient of salt-contamination. Increasing concentrations first
impair taxonomic and/or functional diversity of shredders through waterborne toxicity and reduced
detritus quality. At high salt levels, decomposition is maintained by a more tolerant, but less diverse
and abundant, fungal community with much reduced or inexistent sporulation
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15.3.1 Microbial-Mediated Decomposition

Studies of salinization effects on leaf associated microbial communities (i.e.,
fungi, bacteria) are scarce and sometimes contradictory. Nonetheless, while little
information exists on bacteria, a global pattern has emerged from the published
studies: aquatic hyphomycetes are the main drivers of litter decomposition in
salt-contaminated streams.

Aquatic Hyphomycetes
Aquatic fungi are highly tolerant of salt. The negative effect of salinity on fungal
growth is species-specific, and is usually observed at concentrations ≥ 4 g/L NaCl
(Canhoto et al., 2017). EC50 (effective concentration resulting in 50% inhibition in
growth rate) values of 9 isolates of aquatic hyphomycetes were ≥ 7.8 g/L with more
than half the species showing values above 16 g/L (Canhoto et al., 2017). But the
mechanisms that allow the aquatic hyphomycetes mycelium to grow and cope with
high salinity remain hidden in a black box. Several authors indicate the accumulation
of osmolytes and modifications of the cell wall and plasma membrane that may
resemble mechanisms for coping with desiccation (Canhoto et al., 2017; Gonçalves,
Carvalho, et al., 2019; Gonçalves, Simões, et al., 2019; Hooley et al., 2003; Overy
et al., 2017; Tamie, 2016). These compounds may help to ensure mycelial structural
and functional integrity at high salinity (Araújo et al., 2020; Canhoto et al., 2017;
Welsh, 2000). Furthermore, based on evidence from terrestrial systems, fungi may
sequester sodium at concentrations of up to 1000 times higher than plants (Kaspari
et al., 2009). Such accumulation by the fungal mycelium, exposed to Na-rich salt
environments, will help maintaining the cell’s turgor, enhancing leaf invasion while
increasing the attractiveness of the detritus to invertebrates (Kaspari, 2020; Scharnagl
et al., 2017). If confirmed in aquatic hyphomycetes, a differential Na-sequestration
or release may explain their species-specific high tolerance to wide salinity ranges.

Leaf associated fungal biomass tends to decrease with salt-contamination
(Cañedo-Argüelles et al., 2014; Gonçalves, Carvalho, et al., 2019; Gonçalves,
Simões, et al., 2019;Martínez,Barros, et al., 2020; Schäfer et al., 2012). Studies on the
effects of NaCl (6 g/L) on oak leaf decomposition indicate biomass reductions by up
to 40% (Gonçalves, Carvalho, et al., 2019; Gonçalves, Simões, et al., 2019;Martínez,
Barros, et al., 2020).However,mismatches between fungal biomass andmass loss can
occur and result in alternative responses, such as an increase in fungal biomass facil-
itated by higher Na-availability at lower salt concentrations (< 2 g/L NaCl) (Cañedo-
Argüelles et al., 2014; Canhoto et al., 2017; Sauer et al., 2016). Fungal biomass
responses, resultant mass loss, and connections between the two, may result from (a)
species-specific differences in ergosterol (proxy of fungal biomass) concentrations
in cell membranes (Charcosset & Chauvet, 2001), (b) changes in ergosterol concen-
trations in the fungal membrane induced by water salinization (Gonçalves, Carvalho,
et al., 2019), (c) distinct degradation efficiency of more tolerant species (Canhoto
et al., 2017; Gonçalves, Carvalho, et al., 2019; Gonçalves, Simões, et al., 2019),
(d) higher investment in biomass accrual by tolerant, but less effective species, and
(e) changed intra- and interspecific interactions within fungal (Gonçalves, Carvalho,
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et al., 2019) and, eventually, fungal-bacteria communities (Hintz & Relyea, 2019;
Vorste et al., 2019).

Fungal respiration decreases along the salinization gradient, although correlations
with other fungal descriptive variables are often inconsistent (Canhoto et al., 2017;
Connolly et al., 2014; Gonçalves, Simões, et al., 2019; Martínez, Barros, et al., 2020;
Swan, 2007). Apparent discrepancies may be based on species-specific metabolic
requirements and energetic strategies to guarantee cell integrity, growth, sporulation
and organic matter degradation. To date, little information exists on the modification
of extracellular enzyme activities by salts (Roache et al., 2006; Servais et al., 2019).

Fungal sporulation is inhibited or suppressed by salt-addition. Trade-offs between
maintaining cellular integrity and vegetative growth vs. conidial production seem to
be a common response of aquatic hyphomycetes to salt-stress (Byrne & Jones, 1975;
Canhoto et al., 2017; Gonçalves, Simões, et al., 2019; Sridhar & Kaveriappa, 1988).
Nonetheless, divergent strategies can be found in strains collected from historically
salt-contaminated streams, where the investment in reproduction seems to persist
despite high salt concentrations (Gonçalves, Carvalho, et al., 2019). Studies, mainly
based on traditional conidia identification, indicate that salinization triggers modi-
fications of fungal community structure (Byrne & Jones, 1975; Cañedo-Argüelles
et al., 2014; Canhoto et al., 2017; Gonçalves, Carvalho, et al., 2019; Gonçalves,
Simões, et al., 2019; Sauer et al., 2016; Schäfer et al., 2012; Sridhar & Kaveriappa,
1988). Generally, no diversity effect has been observed with increasing salt addi-
tion of up to 4 g/L, which points to pervasive functional redundancy among fungal
species (Gonçalves, Carvalho, et al., 2019; Pascoal & Cássio, 2008; Pascoal et al.,
2005). Nonetheless, a significant reduction of decomposing efficiency tends to be
apparent above this concentration (e.g., Canhoto et al., 2017), which may correspond
to a reduction to 1–3 sporulating species (Canhoto et al., 2017; Gonçalves, Carvalho,
et al., 2019; Gonçalves, Simões, et al., 2019). In extreme cases, the decrease in fungal
species richness results in communities with single, highly halotolerant species (e.g.,
Flagellospora curta and Heliscus lugdunensis; Canhoto et al., 2017; Gonçalves,
Carvalho, et al., 2019). Whether this decrease corresponds to actual species losses
remains to be confirmed by molecular techniques—mycelial outgrowth has been
suggested as compensating for reduced conidium production (Canhoto et al., 2017).

Bacteria
Despite the pivotal role of fungi on litter decomposition, we cannot rule out the
influence of bacteria, on their own and through interactions with fungi, on litter
decomposition dynamics. Available information, mostly gathered in lakes (water,
sediments) and stream biofilms (Martínez, Gonçalves, et al., 2020; van Gray et al.,
2020), indicates that common freshwater bacteria may cope with low salt concen-
trations (Bordalo, 1993; Sleator & Hill, 2002), while showing high mortality at high
salt concentrations (Painchaud et al., 1995; Zhang et al., 2014b). To our knowledge,
a single study evaluated bacterial, fungal and macroinvertebrate taxonomic richness
associated with leaf litter along a coal-mine induced salinity gradient (25 µS/cm −
1383 µS/cm). Results indicated a modulating effect of salinity on the composition
of all leaf-associated communities, which, however, did not translate into changes of
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decomposition rates (Vorste et al., 2019). The decrease in bacterial richness suggests
community shifts from abundant low salt tolerant taxa to fewer more halotolerant
and, eventually, halophilic taxa (Vorste et al., 2019). Whether this is true in short-
term scenarios of salinization (e.g., pulses) needs to be assessed. In any case, and
even considering potential functional stability of the bacterial communities at distinct
salinities (Berga et al., 2017; They et al., 2013; Zhang et al., 2014a, 2014b), a thor-
ough investigation is needed to clarify the relative importance of the two microbial
groups and their interactions during colonization and degradation of organic matter
in salt-contaminated streams.

15.3.2 Invertebrate-Mediated Decomposition

Aquatic macroinvertebrate shredders include mainly insects belonging to the orders
Ephemeroptera, Plecoptera and Trichoptera (EPT), Diptera, and Crustaceans (Tachet
et al., 2010). These groups present a gradient of tolerance to salinization (Cañedo-
Argüelles et al., 2013; Clements & Kotalik, 2016), likely related with the ionic
stress and metabolic requirements for osmoregulation (e.g., Kefford et al., 2003;
Scheibener et al., 2016). Most of the taxa belonging to the EPT group tend to be
extirpated from salinized streams (Kefford et al., 2011), although responses seem to
be context-specific (Clements & Kotalik, 2016), and important differences between
species (Bonada et al., 2004; Pond, 2010), life-stages (Kefford et al., 2007), and even
between populations (Sala et al., 2016), have been reported.

The sensitivity of invertebrates, shredders included, to salinization has been
demonstrated in several studies through lethal and sublethal effects—e.g., reduced
feeding rates, delayed growth, increased drift (Clements & Kotalik, 2016; Hassell
et al., 2006; Kefford et al., 2003). It is still not clear how the changes in the abun-
dance and composition of shredder assemblages affect organic matter processing
(Berger et al., 2019), but available evidence suggests that litter decomposition rates
by invertebrates are reduced by salinization. For example, Cañedo-Argüelles and co-
authors (2014) showed lower decomposition rates of Populus nigra leaves subjected
to repeated salt pulses (maximum conductivity= 15 mS/cm) related with decreasing
EPT abundances in stream mesocosms. Concordantly, Eucalyptus camaldulensis
decomposition in coarse-mesh bagswas negatively correlatedwith electrical conduc-
tivity in streams in southeast Australia (Schäfer et al., 2012). Whether changes in the
detritivore community structure towards salt tolerant taxa can be compensated by
functional redundancy throughout the salinity gradients is conceivable, but currently
unknown. For instance, more tolerant taxa such as crustacea (Kefford et al., 2003),
which can be very active detritivores (Bergfur et al., 2007; Piscart et al., 2011), could
compensate for the disappearance of more sensitive leaf-consumers (e.g., EPT).

Laboratory studies on the detritus-shredders relationships are limited, but globally
support the important modulator effect of salt concentration and ionic composition
on the processing efficacy of leaf-consumers (Martínez, Barros, et al., 2020; Tyree
et al., 2016; Zalizniak et al., 2006). For example, Tyree et al. (2016) reported that a
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very small increase of NaCl levels (from 3 to 7 mg/L Na) depressed leaf consump-
tion by Tipula abdominalis (Diptera), while a higher concentration (140 mg/L Na)
enhanced the decomposer activity of Lirceus sp. (Isopoda). However, in the study of
Martínez, Barros, et al. (2020), 3 g/L of CaCl2 and 6 g/L of C2H3KO2 and NaCl were
needed to slow down the feeding activity of Schizopelex festiva (Trichoptera). It is
generally accepted that shredders preferentially consume and assimilate conditioned
over unconditioned leaves and show preferences for certain leaf species, fungi, or
combinations of both (Canhoto & Graça, 2008). Nuances promoted by salinization
on such feeding behavior are unknown; we may only anticipate that a decrease in
fungal diversity and biomass through a salinity gradient (Canhoto et al., 2017) may
alter detritus palatability, affecting consumption rates and processing efficacies of
the tolerant (less abundant and diverse) shredders. Alternatively, parallel to terres-
trial systems, a potential stimulation of litter degradation at intermediate salinities,
mediated by the aforementioned Na-rich fungal mycelium, could favor invertebrate
fitness, also facilitating the digestion of tannin rich diets (Kaspari, 2020; Scharnagl
et al., 2017). Whether any (or both) hypothesis are true, remains to be assessed.

Salinization of forested riparian soils (e.g., runoffs, flooding) may (a) decrease
leaf litter quantity and diversity supplied to the stream by eliminating plants or
reducing their viability, (b) accelerate senescence and riparian litterfall and/or (c)
change plant salt uptake promoting species-specific alterations of chemical leaf-litter
traits (Entrekin et al., 2019; Kaspari, 2020). Detritivore extirpation (Ladrera et al.,
2017), litter-diversity effects on decomposition and potential mismatches between
the timing of the inputs and invertebrate life cycle (Swan & Kominoski, 2012; Voelz
& McArthur, 2000) may result from these alterations of riparian soils (Fig. 15.2).
In addition, we can expect shifts in leaf quality—e.g., accumulation of Na in leaves
from plants exposed to salinization (Entrekin et al., 2019; Parida & Das, 2005)—to
directly affect leaf processing by the tolerant biota (Swan & Kominoski, 2012). A
single study assessed the importance of leaf quality in salinized streams. It showed
that the deleterious effects of water salinization on fungal-mediated litter mass-loss
was not due to the quality of the tested riparian subsidies; differences were suggested
to occur only in the presence ofmarked leaf trait dissimilarities (Almeida et al., 2020).

15.4 Factors Modulating Salinization Effects on Litter
Decomposition

Litter decomposition in salt-contaminated environments is closely related to the kind
of anthropogenic activity affecting the stream, which not only determines the ionic
composition of the water (Estévez et al., 2019), but also induces distinct disturbance
patterns in space (diffuse or point-source pollution; see also Kaushal et al., 2018)
and time (chronic vs. pulsed vs. ramped; sensu Lake, 2000). Two single studies
assessed the importance of salt type on litter decomposition in streams (Martínez,
Barros, et al., 2020; Sauer et al., 2016). The intensity of the effect, observed in both
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Fig. 15.2 Salinized stream (Torrent de Soldevilla, Sallent, Catalonia, Spain). Salt accumulation in
the stream bed and riparian degradation are visible (Photo Ruben Ladrera)

decomposers and detritivores, seems to be largely attributable to their physiological
tolerance of the water’s ionic composition (e.g., Kunz et al., 2013; Martínez, Barros,
et al., 2020).

Streams salinization is the primer responsible for triggering multiple changes
in water chemical properties (e.g., pH, contaminant mobilization) in a phenomenon
termedFreshwater Salinization Syndrome (FSS;Kaushal et al., 2018). In fact, several
contaminants related with salinization (e.g., deicers, mining waste) are themselves
mixtures of pollutants that may include heavy metals, phosphorus in many forms,
nitrogen and cyanide (Fay & Shi, 2012; Kaushal et al., 2019) contributing to the
panoply of alterations in water chemistry (Gorostiza & Sauri, 2017). Although no
specific relationships have yet been established betweenwater chemical composition
and the rate of litter decomposition in salinized streams, this ecosystem-level process
holds promise as a useful tool for assessing the functional integrity of multi-impacted
saline streams (Chauvet et al., 2016). Its application would be independent of the
composition (Kath et al., 2018; Szöcs et al., 2012) and potential interactions within
the chemical mixtures (Côté et al., 2016; Kaushal et al., 2018; Schäfer & Piggot,
2018), while connecting the system’s response to specific geochemical scenarios.

Scanty information exists on the consequences of short-term (vs. chronic) repeated
salt additions on litter decomposition. Available information indicates that pulse
exposures should generally be less deleterious than chronic exposures, provided
that the exposure frequency is low enough to allow community recovery (Cañedo-
Argüelles et al., 2014). However, these results should be interpreted with caution.
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Two field tests suggest more severe impacts of pulsed (vs. press) inputs on macroin-
vertebrates most likely to affect litter processing (Findlay & Kelly, 2011; Hart et al.,
1990).

In the present global environmental context, the most common abiotic factors
interacting with stream salinization are, beside pollutants (e.g., pesticides), nutrients,
extreme hydrological events (i.e., drought and floods), and increased temperature.
Despite their ubiquitous prevalence, limited information exists on the impacts of the
co-occurrence of these stressors and salinity on the stream biota and processes they
drive (e.g., Verberk et al., 2020). A recent metanalysis by Velasco et al. (2019) indi-
cates that negative, more commonly additive, effects on organismal (invertebrates
included) performance may occur in streams, with salinity having an overriding
influence. Whether, and how, such responses can propagate to stream processes such
as leaf decomposition is still inadequately documented. A few studies have assessed
the joint effects of salinity and pesticides (Schäfer et al., 2012; field study), nutrients
(Hale&Goffman, 2006; Swan&DePalma, 2012microcosms and field study, respec-
tively) and drought regimes (Gonçalves, Simões, et al., 2019; microcosm study) on
litter decomposition by invertebrates and/or decomposers. All studies point to a
pronounced reduction of litter decomposition in the presence of both tested stressors
regardless of presence of detritivores. Nonetheless, while additive responses were
observed in the field, the effects of ionic increases were not always straightforward
and additive in microcosm studies (Swan & DePalma, 2012). Antagonistic (Hale
& Goffman, 2006) or synergistic (Gonçalves, Simões, et al., 2019) effects were
found as well, particularly at high salt-concentrations. Salinization studies usually
consider concomitant rather than sequential exposures; however, this is not always
the case, which may affect outcomes (Pallarés et al., 2017). Existing information
precludes predictions of the effects of salinization paired with other stressors. This
reinforces the need for studies in distinct environmental contexts. The analysis of
litter decomposition dynamics in naturally extreme environments (e.g., Gómez et al.,
2016; Reice & Herbst, 1982; Steinke & Charles, 1986; see below) may provide a
promising approach to predict possible trajectories of salinized streams’ responses
to multiple stressors.

15.5 Decomposition in Saline Streams

Naturally saline streams and rivers are geographically widespread, but are concen-
trated in arid and semiarid regions (Williams, 1996), like the Mediterranean area,
where geology and climatic features are the main factors determining long-term
stream water salinization (Millán et al., 2011). In the Southeast of Spain, one of the
most arid area of the Iberian Peninsula, the presence of highly impermeable sedimen-
tary marls, together with the high evaporation rates and low precipitation, result in
water courses and soils with a high content of salts (likely calcium sulfate and sodium
chloride; Gómez et al., 2005). The range of water salinity varies widely defining
hypo (3–20 g/L), meso (> 20–100 g/L) and hypersaline (> 100 g/L) streams (Arribas
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Fig. 15.3 Naturally saline stream (Rambla Salada, Fortuna, Murcia, Spain). Salt accumulation and
halophytic plants are visible in the riparian area (Photo Rosa Gómez)

et al., 2009). In addition to the stress imposed by high salinities, aquatic organisms
have to deal with acute daily and seasonal variation in salt and nutrient concen-
trations (Boulton & Suter, 1986; Gómez et al., 2017) as result of the highly vari-
able surface discharge in these ecosystems. For example, in Chicamo river (Murcia,
Spain), diurnal variation (averaged for the four seasons of the year) for water salinity
ranged between 1 and 4 g/L (Vidal-Abarca et al., 2002). In addition, woody peren-
nial shrubs prevail in the riparian areas of these Mediterranean streams (Fig. 15.3),
which provides a dominant pool of recalcitrant substrate in the streambed. Under
such extreme conditions, detritivores tend to be absent or rare (Gutiérrez-Cánovas
et al., 2012).

Most research on the effects of salinity on litter decomposition has focused on
freshwaters using saline (coastal and freshwater wetlands; Connolly et al., 2014;
Hemminga et al., 1991; Mendelssohn et al., 1999; Quintino et al., 2009; Sangiorgio
et al., 2007) or salt-contaminated (micro and mesocosms tests; Cañedo-Argüelles
et al., 2013; Canhoto et al., 2017; Roache et al., 2006; vanMeter et al., 2012) systems.
Comparisonswith naturally saline streams need to bemadewith caution as laboratory
or semi-natural approaches give insights into short-term community responses to
salinization, while saline stream organisms have been shaped by selection and/or
evolution.

Informationonorganicmatter decomposition in naturally saline streams is limited,
to the best of our knowledge, to two studies (Gómez et al., 2016; Reice & Herbst,
1982).Results onbiologicallymediated degradation are in linewith studies in streams
subjected to salt contamination: salinity decreases both leaf litter (Reice & Herbst,
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1982) and wood decomposition rates (Gómez et al., 2016) while presenting negative
effects on fungal biomass. Such impairment seems to be mainly related with the
energetic costs of haloadaptation by the fungal community (Oren, 1999, 2001; Sinha
& Khare, 2014). Nonetheless, it seems that “saline biofilms”, developed on woody
surfaces, are able to maintain activity even at high salt concentrations. These findings
strengthen the need to understand the response of other microbial groups, such as
bacteria, in decomposition both in naturally saline and salinized environments.

Although salts in saline streams are non-toxic for both halophiles and halo-tolerant
organisms, the effect of Na+ and Cl−, and additional divalent ions (e.g., SO4

2−, Ca2+
and Mg2+), may influence both the rate and patterns of microbial decomposition in a
complex manner (Egglishaw, 1968; Roache et al., 2006; Weston et al., 2006). In fact,
in these systems, the biotic degradation of the woody material seems to be supported
(or at least facilitated) by an increase in the content of Ca,Mg, and especially of Na in
organic matter, which may act as physical and chemical abrasive agents (Blanchette
et al., 2002; Schmitz, 1924). Additionally, in saline streams affected bymarked water
level fluctuations, salt crystals can be formed in desiccated woody debris as a result
of water evaporation (Johnson et al., 1992); the consequent mechanical cleavage
of this detritus may trigger microbial invasion and wood decay. Further studies are
needed to accurately evaluate the importance of such abiotic (vs. biotic) processes
on organic matter decomposition in these streams.

While experiencing the ongoing increases in temperature, naturally saline streams
are also paradoxically affected by dilution stress as result of increased irrigation
for agricultural production in their catchment areas (Gutiérrez-Cánovas et al., 2012;
Millán et al., 2011). The effects of such perturbation on organicmatter decomposition
is again unknown, but must be considered for the preservation of the diversity and
processes that characterize these peculiar ecosystems.

15.6 Future Directions and Perspectives

Understanding the impacts of salinization on streams functioning is complex because
(a) there is an intimate relationship between these streams and their riparian area,
frequently also salt-contaminated; (b) stream salinization and salinity encompass
diverse origins / ionic compositions supplied to the streamwith different temporal and
spatial patterns; (c) salt-contamination frequently co-occurs with other stressors; (d)
there are no commonly agreed-upon assessment tools. For example, common indices,
based on invertebrates, do not clearly reflect salinization (Cañedo-Argüelles et al.,
2017). Such wide gaps in our knowledge limit the ability to establish links between
salinized ecosystems functioning and ecosystem services. This impairs our ability to
take action against salinization and prevent the collapse of freshwater ecosystems,
which can compromise human welfare (Cañedo-Argüelles et al., 2016).

Our lack of focus on the basal response of brown webs to salinization precludes
a thorough understanding of the responses of the forested stream ecosystems to
this stressor. There is a dearth of information on the relative impact of the riparian
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forest characteristics (inherent and salt-induced) on the aquatic biota’s processing
capacity and resilience. Also, the mechanistic responses associated with the trilogy
leaf litter/decomposers/shredders are still largely unknown. It seems clear, however,
that the role of fungi changes somewhat predictably through the salinization gradient:
from linking terrestrial litter to the aquatic food chain (pristine streams) to Na
accumulators/suppliers (moderately salinized streams) to dominant leaf processors
(strongly salinized streams). Nevertheless, the relative importance of fungi and their
interactions with bacteria and invertebrates, mechanisms of fungal salt tolerance and
how they affect life history trade-offs, must be further scrutinized. Fungal trait-based
frameworks (morphological, physiological and biochemical characteristics; Allison,
2012; Treseder & Lennon, 2015) may constitute a valuable new approach to gain
insights into the functional capacities of this microbial group, in various spatial and
temporal salt-gradients, patterns and multi-stressor scenarios.

Our current understanding on the links between the response of aquatic macroin-
vertebrate communities to salinization and litter decomposition is very limited. Infor-
mation on the processing efficiency of leaf-consumers—under waterborne and/or
food-induced constraints—and on sublethal endpoints (e.g., development, feeding,
reproduction) need to be explored and coupled with information at molecular levels
(e.g., use of biomarkers; Cañedo-Argüellles et al., 2016) to anticipate the impacts of
salt on litter decomposition and ecosystem function. Finally, consideration of indi-
rect salinization effects on decomposition is required. Competition and predatory
interactions may be particularly relevant under warming scenarios as the increase
temperature may amplify salt-induced changes of behavioural traits (Bray et al.,
2019; Ingram & Burns, 2018; Jackson & Funck, 2019).

The biological and ecological effects of salinization on the detritus-based food
webs in streams are the result of several ions that may act per se or in combina-
tion. An “ionic ecology” (sensu Kaspari, 2020) approach may attract interest to
clarify the distinct effect of salts on stream processes, litter decomposition included;
particular attention should be devoted to the role of Na on the response of the two
main drivers of leaf decomposition—fungi and invertebrate shredders. This is espe-
cially relevant not only due to the primordial biological role of this ion on metabolic
(temperature-dependent) processes (Kaspari, 2020; Orr & Buchwalter, 2020), but
also because of the extensive use of NaCl as deicer agent and its lasting presence
in the system (Findlay & Kelly, 2011). Nonetheless, new approaches using other
ion mixtures—e.g., those usually found on road deicer alternatives (Fay & Shi,
2012), forest fertilizers—should be considered as part of the endeavour to establish
ionic-specific consequences and thresholds for correct and integrated forest-stream
management practices. Approaches require the inclusion of distinct contamination
scenarios—concentrations, exposure patterns (chronic, pulse, ramp), timings (e.g.,
season)—in both multi-stressor concomitant and sequential contexts. Such compre-
hensive list of “needs” acquire a new dimension in urban streams lined with trees
(Paul & Meyer, 2001) and non-perennial running waters, whose geographical range
and abundance (now comprising over 50% of the global fluvial networks; Arce et al.,
2019) are expected to increase due to global warming, human growth and intensified
water use.



336 C. Canhoto et al.

Intermittency patterns determine fluctuations in the natural (or exacerbated by
anthropogenic activities) background salinity of the streamwater that follows surface
flow contractions/resumptions. Little is known of the relevance of such salinity
gradients (usually coupled with altered water temperature, oxygen levels, pH and
desiccation) on the decomposition dynamics through the wet-dry cycles. Gaining
insights into the relative importance of salt on litter decomposition in forested inter-
mittent streams requires studies in inundated, moist, and dry (potentially “salinized”)
streambeds, where terrestrial decomposers and detritivores may become involved. In
this context, it would be interesting to investigate if community desiccation protec-
tive strategies may also confer salt-tolerance (and vice versa) (Pallarés et al., 2017).
If true, this could result in higher system resilience in the face of a wider range of
salt-concentrations induced by fiercer, more frequent, and abrupt droughts and/or an
expansion of secondary salinization.

More inclusive local and large-scale surveys (see Olson, 2019) need to be consid-
ered to detect consistent patterns or to draw global conclusions on the effects of
salinization on litter decomposition. Developing models linking litter decomposition
dynamics and related processes to predicted temperature scenarios, nutrient status
and spatial and temporal patterns of salt-contamination (e.g., based on the prox-
imity of roads and urban areas), may help identifying susceptibilities of different
systems and geographical areas to salinization, and to prioritize the implementation
of protective practices.

Overall, salt pollution of streams is increasingworldwide aswater scarcity reduces
the dilution capacity of streams (van Vliete et al., 2017), agricultural activities and
resource extraction are intensified and expanded (Estévez et al., 2019; Krausmann
et al., 2018), and mountain areas become increasingly urbanized and crossed by
roads (Kaushal et al., 2005). Thus, understanding how increased salinity and altered
ion concentration modulate litter decomposition in streams is urgent; currently, we
remain largely oblivious to the implications for ecosystem functioning and services
that sustain human well-being.
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Chapter 16
Pathways, Mechanisms,
and Consequences
of Nutrient-Stimulated Plant Litter
Decomposition in Streams

David W. P. Manning, Verónica Ferreira, Vladislav Gulis,
and Amy D. Rosemond

Abstract Excess nitrogen (N) and phosphorus (P) inputs to streams occur glob-
ally, and affect not only stream autotrophs, but also heterotrophic microbes and
detrital carbon processing. Detrital carbon, such as leaf litter, supports stream food
webs and their connectivity via downstream detritus fluxes. Nutrient enrichment
increases litter decomposition rates acrossmultiple scales and trophic levels by stimu-
lating activity ofmicrobial decomposers and enhancing interactions amongmicrobial
decomposers, detritivores, and physical abrasion. Nutrient effects on microbial and
detritivore-mediated decomposition are typically greater for recalcitrant vs. labile
litter, especially when coupled to low initial nutrient concentrations. Recent studies
and syntheses show that (1) dissolved N and P affect litter by stimulating fungal
activity and nutrient immobilization, thus, increasing detrital nutrient content, (2)
nutrient effects are greatest with N and P together (vs. individually) and when detri-
tivores are present, and (3) ecosystem-level effects of nutrient enrichment can be
predicted from small-scale measurements. Despite extensive studies of leaf litter
decomposition, its application as a tool to manage nutrient enrichment issues trails
comparable tools for autotrophic (i.e., algal) pathways. Thus, better understanding
of the consequences of nutrient enrichment on leaf litter and other detrital carbon is
important to predict how nutrients will affect stream ecosystem functioning.
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16.1 Pathways of Nutrient Enrichment Effects in Streams

Human activities have increased nutrient concentrations in streams and rivers world-
wide (Dodds & Smith, 2016; Wurtsbaugh et al., 2019) modifying critical ecosystem
functions, including leaf litter decomposition. The effects of excessive nitrogen (N)
and phosphorus (P) concentrations have been studied most extensively, because
these two elements often co-limit growth and subsequent biological activity of both
autotrophic and heterotrophic biota in freshwater ecosystems (Ferreira et al., 2015;
Harpole et al., 2011).Nitrogen andP enter streams via both point sources, and diffuse,
non-point pollution. Land use changes, fertilizer application, atmospheric deposi-
tion (Fowler et al., 2004; Linker et al., 2013), and animal or human wastes (e.g.,
livestock manure, wastewater) all contribute to increasing nutrients in streams, and
each source can yield distinct patterns of nutrient loading and resultant streamwater
nutrient concentrations and ratios (Manning et al., 2020; Stets et al., 2020). Excessive
concentrations of total N (TN) and total P (TP) are estimated to affect 41 and 46%
of total stream length in the United States (US EPA, 2016), and less than 2% of U.S.
streams have TP concentrations indicative of reference conditions (TP <10 µg L-1;
Stoddard et al., 2016; Fig. 16.1). Other parts of the globe are not immune to this
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Fig. 16.1 Kernel density plots based on Gaussian kernel density estimators at each x-value repre-
senting the distribution of dissolved inorganicN (DIN; a) and dissolved inorganic P (DIP;b) concen-
trations observed in publicly available data sets (USA [dark grey areas] and global [light grey areas]).
Concentrations generally span several orders of magnitude, and concentrations near the lower end
of the spectrum (i.e., near pristine) are rare. We also indicate the mean of half-saturation constants
(Km) for litter decomposition rates reported in the literature for both N and P (red vertical lines in
a and b; Ferreira et al., 2006; Kominoski et al., 2015; Rosemond et al., 2002). About 94 and 100%
of concentration values were above the DIN thresholds in the U.S. and global datasets, respectively,
compared to 59 and 56% for DIP. Data were collected and made available by the U.S. Geological
Survey, as part of the U.S. NationalWater Quality Assessment (dark grey density curves; n =7,653),
and global sites from the Global River Chemistry dataset (GLORICH; Hartmann et al., 2014, 2019)
with streamflow <20 m3 s-1 (light grey density curves; n = 14,097 [DIN] and 53,861 [DIP]).
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problem; elevated N and P concentrations are pervasive across streams and rivers in
Europe, Asia, Oceania, Africa, and Central and South America (McDowell et al.,
2020).

The effects of nutrient pollution in streams and rivers can vary spatially and
temporally, because of the multiple sources of N and P, and their interactions with
the physical attributes and biological activity of streams. For example, nutrient avail-
ability may vary according to stream flow regimes controlled by climate and land
use, where floods and droughts can episodically deplete, dilute, or elevate nutrient
concentrations (Kaushal et al., 2014; Moss et al., 2011; Rose et al., 2018). Simi-
larly, seasonal patterns of nutrient availability may occur because of the timing of
fertilizer application, seasonality of riparian or in-stream nutrient uptake, animal
migrations, or climatic variables (e.g., interactions among precipitation and wet/dry
nutrient deposition; Mulholland & Hill, 1997). The spatial distribution of excessive
nutrient concentrations in streams is affected by the prevalence of nutrient sources
within watersheds. For instance, the dominant land use in the corn-belt region of
the Midwest USA is row-crop agriculture, and streams in this region tend to exhibit
higher N concentrations compared to regions with other prevailing types of land use
(Hill et al., 2011).

The spatial and temporal variation of stream N and P concentration highlights the
need for metrics that can integrate their effects in time and space. The spatial and
temporal dynamics of nutrient availability in streams interact with seasonal pulses of
terrestrial organic matter inputs that are the base of food webs in most forest streams
as well as with the seasonal patterns in activity of plant litter decomposers. Thus, the
processes through which this organic matter is broken down offer several integrative
metrics that canbeused to understandhowboth acute and chronic nutrient enrichment
modify stream ecosystem functions. Specifically, leaf litter decomposition is well
suited to quantify the multiple effects of nutrient enrichment in streams because
leaf litter from terrestrial sources remains within streams for long periods of time
(months to years;Webster&Benfield, 1986), and involvesmultiple facets of physical,
chemical and biological attributes of stream ecosystems (Frainer et al. [Chapter 21
in this volume]).

16.1.1 Nutrient Effects Are Less Understood
in Heterotrophic vs. Autotrophic Systems

Some of the most obvious impacts of nutrient pollution in freshwaters include
increased algal biomass, blooms of harmful algae and associated hypoxic zones, fish
kills, and drinking water contamination (McDowell et al., 2020; Smith et al., 2006).
Increased nutrient availability can stimulate ecosystem productivity (i.e., eutrophica-
tion), and can increase the importance of primary producers as the energy base for the
food web when light is not a limiting factor. This process of anthropogenic eutroph-
ication and the build-up of within-system carbon (C) via increased photosynthesis
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has justifiably received considerable attention (Conley et al., 2009 and references
therein). However, in forest streams, solar irradiation is limited by the riparian vege-
tation, and aquatic food webs derive most of their C and energy from terrestrial
organic matter (i.e., allochthonous C, such as leaf litter, detailed below; Cebrian &
Lartigue, 2004; Fisher & Likens, 1973; Moore et al., 2004; Wallace et al., 1997).
Nutrient effects on these heterotrophic, “brown” food web pathways have received
less attention than autotrophic, “green” food web pathways, particularly for manage-
ment. For example, efforts to define ecosystem trophic state in streams first focused
on relationships between streamwater TN and TP and benthic algae (Dodds, 2006)
while more recent work has begun to encompass both green and brown pathways
to define ecosystem responses to nutrient enrichment (Arroita et al., 2019; Dodds &
Cole, 2007). Whereas nutrient enrichment leads to increased biomass and biomass-
specific rates of primary production in autotroph-based ecosystems, it can increase
microbial respiration rates, stimulate detritivore activity and result in ecosystem-level
C losses in detritus-based systems (Benstead et al., 2009). However, heterotrophic
responses to nutrient enrichment, such as decomposition of coarse particulate organic
matter (i.e., leaf litter), remain largely absent from conventional strategies to monitor
and manage the problems associated with nutrient enrichment of streams and rivers.

Food webs in forest streams are fueled by plant litter (leaves and wood) derived
from terrestrial ecosystems (Wallace et al., 1997; Walther & Whiles, 2011). The
decomposition of leaf litter is a key ecosystem process that has been studied exten-
sively for several decades (Abelho, 2001; Chauvet et al., 2016; Marks, 2019; Tank
et al., 2010; Webster & Benfield, 1986). Moreover, leaf litter decomposition inte-
grates biological activity acrossmultiple trophic levels (microbial decomposers, such
as aquatic hyphomycetes, to predators; Gessner et al., 2010) and patterns of patch-
or reach-scale decomposition rates can inform models addressing decomposition
rates at catchment to river network scales (Rosemond et al., 2015; Webster, 2007).
The stimulation of leaf litter decomposition by nutrients results in accelerated loss of
streamCaltering its availability to streamconsumers, and affecting climate feedbacks
via increased respiratory loss of leaf litter C to CO2 (Follstad-Shah [Chapter 12 in
this volume];Manning et al., 2018; Rosemond et al., 2015). As bothN and P can limit
the growth of key stream biota, and especially those that play an outsized role in leaf
litter processing, increased stream nutrient concentrations can lead to rapid turnover
of leaf litter in streams, and may ultimately result in reduced C standing stock and
availability to in-stream biota. Indeed, a recent meta-analysis of observational and
experimental studies suggest that moderate increases of nutrient concentrations can
increase leaf litter decomposition rates by 50%, on average (Ferreira et al., 2015).
Consistent with this finding, Rosemond et al. (2015) found comparable increases
(~50%) for whole-stream leaf litter loss rates from experimentally enriched streams.
However, when streams are not nutrient limited (e.g., due to underlying geology
or diffuse non-point source pollution), further increases in nutrient concentrations
may have no effect on litter decomposition (Baldy et al., 2007; Chadwick & Huryn,
2003). Also, litter decomposition can be inhibited at high nutrient concentrations
due to toxic effects of high concentrations of nitrite or ammonia to detritivores (but
not microorganisms), or to the concomitant changes in other environmental factors
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(e.g., decrease in dissolved oxygen concentration or increase in fine sediment load
and pesticide or other contaminant concentrations) that may negatively affect both
microbial and invertebrate activity (Lecerf et al., 2006; Woodward et al., 2012).

In this chapter, we describe the pathways and explore the mechanisms through
which streamwater nutrient enrichment can affect leaf litter decomposition rates. We
develop a conceptual model based on current evidence for the effects of nutrient
enrichment on leaf litter decomposition driven by microbial decomposers and detri-
tivores. These explorations and conceptualizations are not exhaustive (see Ferreira
et al., 2015), but rather focus on both observational and experimental evidence that
illustrate the emerging mechanisms of how leaf litter decomposition responds to
nutrient enrichment.We also discuss potential interactions of nutrient effects on litter
decomposition and other global change stressors, such as rising stream temperatures.
We conclude with an overview of consequences for whole ecosystems, including C
residence times, and offer perspectives on the need to promote efforts to fully incor-
porate leaf litter decomposition responses into strategies to monitor and manage
nutrient pollution at extensive (i.e., continental) scales.

16.2 Mechanisms of Nutrient Effects on Leaf Litter
Decomposition

16.2.1 Microbially Mediated Litter Processing

Microbial communities associated with decaying leaf litter in streams encompass
fungi, including so-called aquatic hyphomycetes that are specially adapted to stream
environments, as well as bacteria. Fungi dominate these microbial communities in
terms of biomass (88–99.9%) and production (up to 627× higher) while the impor-
tance of bacteria in leaf litter decomposition is rather minor (Gessner et al., 2007;
Pascoal & Cássio, 2004; Pascoal et al., 2005; Suberkropp et al., 2010; Tant et al.,
2013; Weyers & Suberkropp, 1996). For example, fungi contributed 95–99.7% of
total microbial biomass and 88–95% of total microbial production on submerged leaf
litter in southern Appalachian streams at Coweeta Hydrologic Laboratory, NC, USA
(Gulis & Suberkropp, 2003a; Suberkropp et al., 2010). Fungal hyphae are capable of
penetrating inside the leaf litter matrix and directly accessing plant polymers while
bacteria are restricted to leaf surfaces. In addition, bacteria may rely to a greater
extent on dissolved organic C from streamwater than fungi, rather than participating
in leaf C processing. While leaf-associated fungi are strongly stimulated by elevated
nutrient concentrations in water (see below), bacteria are either only slightly affected
or the effect of dissolved nutrients is lacking (Suberkropp et al., 2010). Thus, we will
focus on the nutrient effects on litter-associated fungi that drive increases in litter
decomposition rates under nutrient enrichment.

In contrast to decomposition in terrestrial ecosystems, fungi associated with
submerged leaf litter are capable of obtaining N and P from both the substrate and the
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water column (Cheever et al., 2013; Suberkropp, 1995). Thus, in streams, decompo-
sition of leaf litter may depend not only on the nutrient content of the substrate but
also the availability of N and P from the water column that can modify the activity
of microbial decomposers (Suberkropp & Chauvet, 1995). Since plant litter C:N and
C:P ratios are considerably higher than those of fungal biomass (Danger & Chauvet,
2013; Grimmett et al., 2013; Gulis et al., 2017), fungi have to alleviate the stoi-
chiometric imbalance by either retaining N and P from leaf litter more efficiently
than C or by immobilizing N and P from streamwater. Production of extracellular
enzymes to obtain N and P from leaf litter is energetically costly, thus, fungi should
preferentially use dissolved inorganic nutrients from the water column. This notion
is supported by findings that higher concentrations of dissolved inorganic nutrients
in laboratory studies and in whole-stream nutrient addition experiments or due to
anthropogenic activities stimulate fungal activity, leading to nutrient immobiliza-
tion and faster plant litter decomposition (e.g., Ferreira et al., 2006; Gulis, Ferreira
et al., 2006; Gulis & Suberkropp, 2003a). Stimulation of fungal activity and plant
litter decomposition by inorganic nutrients should be theoretically more pronounced
for substrates with high initial C:N and C:P ratios, such as wood or rhododendron
(Rhododendron maximum) leaves, due to more severe nutrient limitation of micro-
bial activity on these substrates; on the other hand, external nutrients should have a
less pronounced effect on leaf litter with initially high N or P content (e.g., leaves of
N-fixing alder species). This pattern has been frequently reported in streams (e.g.,
Ferreira et al., 2006; Gulis et al., 2004, 2006; Gulis & Suberkropp, 2003a; Stelzer
et al., 2003), though it can be complicated by variable lignin content of plant litter
(Jabiol et al., 2019).

Early studies testing the effects of nutrient addition on microbially driven decom-
position of plant litter in streams produced variable results (Elwood et al., 1981;
Newbold, Elwood, Schulze, et al., 1983). In the last decades, however, multiple
experiments in lab microcosms simulating stream conditions clearly demonstrated
stimulation of microbial activity (fungal biomass accrual, growth efficiency, sporula-
tion rate and cumulative spore production, respiration) and leaf litter decomposition
by dissolved inorganic nutrients (Ferreira & Chauvet, 2011; Gulis & Suberkropp,
2003a, 2003b; Sridhar & Bärlocher, 1997; Suberkropp, 1998). Short-term whole-
stream nutrient addition experiments have also shown positive effects of dissolved
nutrients on microbial activity (fungal biomass accrual, sporulation, respiration) and
plant litter decomposition rates (Ferreira et al., 2006; Rosemond et al., 2002). Multi-
year nutrient enrichments provided additional fine details (Gulis et al., 2004; Gulis &
Suberkropp, 2003a;Gulis et al., 2008; Rosemond et al., 2015; Tant et al., 2013, 2015),
including uncovering important ecosystem-level consequences of elevated microbial
activity and decomposition rates, namely accelerated C loss from the system due to
downstream export of fine particulate organic matter (FPOM) and CO2 evolution
(Benstead et al., 2009). Since leaf litter decomposition rates, fungal biomass and
sporulation rates in higher-order streams can be similar to those found in headwater
streams (Baldy et al., 1995), the importance of aquatic fungi in regulating leaf litter
decomposition extends beyond the reaches of headwater streams. Recently, manip-
ulative experiments in streams also addressed the relative importance of dissolved
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N and P (Kominoski et al., 2015; Manning et al., 2015, 2016). From the microbial
perspective, it appears that nitrate-N has stronger effect on fungal activity and micro-
bial decomposition rates while excess soluble reactive phosphorus (SRP) results in
luxury P immobilization by fungi and sharp decreases in leaf litter C:P ratios (Gulis
et al., 2017; Manning et al., 2015).

The relationship between dissolved inorganic nutrients and parameters of fungal
activity or plant litter decomposition rates can be described in some cases by asymp-
totic saturation-type models (Ferreira et al., 2006; Gulis, Ferreira, et al., 2006; Gulis,
Kuehn et al., 2006; Rosemond et al., 2002). In such models, large increases in fungal
activity or decomposition rates occur with relatively small increases in nutrients and
at low concentration levels suggesting that microbial nutrient demands can be easily
satisfied bymoderate nutrient enrichment. The half-saturation constantsKm (concen-
tration at which half of the maximum decomposition rate or activity is reached) for
DIN was estimated at <300 µg L-1 and was as low as <20 µg L-1 for SRP.

There are several possible mechanisms, some of them operating concurrently, that
translate elevated fungal activity into faster leaf litter decomposition under nutrient
addition scenarios (Fig. 16.2):

i. Previous studies have shown that, in general, the greatermetabolic energy spent
by microbes on acquisition of N and P, such as nutrient mining by extracellular
enzymes, the less energy is directed towards the acquisition of C (Gallo et al.,
2009; Linkins et al., 1990). Therefore, readily accessible external inorganic
N and P should stimulate the activity of extracellular enzymes involved in
sequestration of C from plant polymers (Güsewell & Freeman, 2005). Indeed,
the activity of beta-glucosidase involved in degradation of cellulose from leaf
litter was positively affected by dissolved inorganic N (but not P) availability
(Gulis et al., unpublished).

ii. A related mechanism involves nutrient stimulation of the activity of fungal
pectin-degrading enzymes that are crucial for litter mass loss resulting in
enhanced maceration of leaf litter by releasing whole plant cells as FPOM
(Jenkins & Suberkropp, 1995).

iii. Elevated nutrient concentrations stimulate fungal production including conver-
sion of plant C into fungal spores (e.g., Ferreira et al., 2006; Gulis &
Suberkropp, 2003a, 2003b, 2003c; Suberkropp et al., 2010) that are released
into the current, and fungi can channel up to 80% of production (or 8–12% of
leaf mass loss) into sporulation (Suberkropp, 1991).

iv. Elevated nutrients are known to stimulate microbial respiration associated with
decaying submerged leaf litter resulting in increased litter C losses as CO2 to
the atmosphere (Benstead et al., 2009; Gulis & Suberkropp, 2003a, 2003b,
2003c; Suberkropp et al., 2010).

v. As leaf litter decomposes, fungal biomass accrual and nutrient immobilization
from the water column lead to changes in litter stoichiometry (decreases in
C:N and C:P ratios) and an increase in nutritional quality and palatability of
decaying leaf litter to detritivores (Bärlocher, 1985; Gessner et al., 2007) that
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Fig. 16.2 Conceptual diagram depicting leaf litter decomposition in low nutrient streams (left
diagram) and effects of nutrient (N, P) enrichment of streamwater on leaf litter decomposition and
associated microbial decomposers (right diagram). In general, nutrient enrichment of streamwater
with N and P stimulates fungal biomass accrual and activity on leaf litter with the release of C
as CO2 and fine particulate organic matter (FPOM; including fungal spores), both of which occur
throughout the decomposition sequence. Fungal-mediated dissolved nutrient immobilization and
litter softening lead to changes in key litter attributes, such as decreases in litter C:N and C:P
ratios and litter toughness, which result in increased litter palatability for detritivores. Increased
detritivore biomass and activity promotes further litter mass loss by incorporation of litter C into
secondary production or release as FPOM (i.e., small leaf fragments and feces). Red arrows in
the right diagram indicate stimulation with increased nutrient concentrations. Effects of nutrient
enrichment on microbes, detritivores and litter decomposition are likely modified by temperature,
discharge, and changes in riparian vegetation. Figure modeled after Cummins and Klug (1979) and
Marks (2019). Images of Pycnopsyche and Taeniopteryx fromMacroinvertebrates.org (CC BY-NC
4.0). Maple leaf vector images: Tracy Saxby, Integration and Application Network, University of
Maryland Center for Environmental Science (ian.umces.edu/imagelibrary/)

in turn stimulate detritivore feeding and furthers leaf litter decomposition (see
below).

The ability of aquatic fungi to control and homogenize detrital stoichiometry as plant
litter decomposes may have important consequences to stream detritivores, which
rely on plant-associatedmicrobial biomass rather than plant material alone as amajor
source of nutrients (Chung & Suberkropp, 2009a, 2009b; Suberkropp, 1992). Thus,
litter-associated fungi are important intermediaries in energy and nutrient transfer in
streams while their activity and role in leaf litter decomposition can be modified by
inorganic N and P availability.

http://ian.umces.edu/imagelibrary/
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16.2.2 Detritivore-Mediated Litter Processing

Detritivores colonizing leaf litter promote decomposition via feeding activity and
fragmentation and due to using leaf litter to make cases (e.g., case-building caddis-
flies of the families Calamoceratidae, Lepidostomatidae, Limnephilidae) (Azevedo-
Pereira et al., 2006; Moretti et al., 2009; Rincón & Martínez, 2006; Sanpera-Calbet
et al., 2009). Detritivores have been shown to contribute up to 63.5%of total leaf litter
mass loss in streams (Cornut et al., 2010; Hieber&Gessner, 2002; Taylor&Chauvet,
2014). The fine particles released by shredding detritivore activities (i.e., small leaf
fragments and feces) are used by invertebrate collectors (Cummins & Klug, 1979),
while shredders and collectors serve as food for predators (e.g., invertebrates, fish)
(Flecker & Townsend, 1994; Yule et al., 2010). Thus, detritivores play an important
role in mediating energy and matter transfer from the litter to higher trophic levels
with the effects of nutrient enrichment modifying invertebrate-dominated food webs
and nutrient cycles (Cross et al., 2003, 2006; Davis et al., 2010).

The colonization of submerged leaf litter by microbes, with the accumulation of
microbial biomass and litter softening, generally increases susceptibility to physical
abrasion in high flows (Manning et al., 2015), and its palatability to invertebrate
detritivores (i.e., shredders; reviewed by Bärlocher & Sridhar, 2014; Graça, 2001).
Thus, the stimulation of microbial biomass accumulation and activity on submerged
leaf litter by increased nutrient availability in streamwater (see above, Microbially
mediated litter processing) may facilitate and promote detritivore colonization of the
litter. For instance, Gulis, Ferreira et al. (2006) found higher macroinvertebrate abun-
dance and taxa richness on oak (Quercus robur) and alder (Alnus glutinosa) leaves
decomposing in nutrient enriched streams (216–2996 µg NO3-N L-1 and 25–56 µg
SRP L-1) than in paired reference streams with ambient nutrient concentration (42–
483 µg NO3-N L-1 and 3–16 µg SRP L-1) in central Portugal, and Greenwood et al.
(2007) found higher detritivore biomass on rhododendron and maple (Acer rubrum)
leaves decomposing in a stream experimentally enriched with N and P (~400 µg
DIN L-1 and ~45 µg SRP L-1) than in a reference stream (<30 µg DIN L-1 and <10
µg SRP L-1) in the Appalachian Mountains (North Carolina, USA). Ferreira et al.
(2006), however, did not find an effect of experimental N enrichment (214–983 µg
NO3-N L-1 vs. 33–104 µg NO3-N L-1 in reference conditions) on macroinvertebrate
abundance associated with decomposing litter in a forest stream in the protected
area of Açor Mountain (central Portugal). Effects of nutrient enrichment on benthic
detritivores associated with decomposing litter are, thus, likely to be context depen-
dent. The facilitation of detritivore colonization of litter under nutrient enriched
conditions may be more pronounced on low-nutrient leaf species (e.g., oak, rhodo-
dendron), where microbial activity may be nutrient limited to a greater extent and,
therefore, more responsive to dissolved N and P than on nutrient-rich leaf species
(e.g., alder, maple), which translates into a stronger stimulation of microbial biomass
accrual and nutrient immobilization (Greenwood et al., 2007; Gulis, Ferreira et al.,
2006; but see Ardón et al., 2006). Also, detritivore contribution to litter decompo-
sition may be greater under moderate nutrient enrichment compared to reference
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conditions (Gulis, Ferreira et al., 2006), while it may decrease under high nutrient
concentrations (Lecerf et al., 2006; Woodward et al., 2012) due to toxicity or other
negative effects of concomitant pollutants.

Correlative and experimental tests of the mechanisms through which increased
stream nutrient concentrations affect detritivore communities are becoming more
common.Available evidence suggests that interactions among streamwater nutrients,
microbial immobilization of nutrients on leaf litter, and subsequent reductions to
imbalances between detritivore nutrient demands and resource nutrient content are
important (Cornut et al., 2015; Demi et al., 2018; Frainer et al., 2016; Manning
et al., 2016). Thus, a useful framework that has advanced our understanding of
nutrient enrichment-detritivore interactions is ecological stoichiometry theory (Cross
et al., 2005 and references therein; Danger et al. [Chapter 3 in this volume]), which
considers the mass balance between consumer nutrient demand (typically in terms of
biomass C:nutrient ratio) and nutrients supplied in resources (C:nutrient ratio of leaf
litter). In detritus-based ecosystems such as forest streamsunder reference conditions,
detritivore nutrient demands can far exceed nutrients contained in autumn-shed leaf
litter, which tends to be nutrient poor (Cross et al., 2003; Hladyz et al., 2009).
The consequences of these drastic imbalances between nutrient demand and litter
nutrient resources for detritivores likely include combinations of reduced growth,
reproduction and survival. Thus, since nutrient enrichment modulates litter nutrient
concentrations, these constraints on detritivore populations can be reduced, which
may lead to increases in the consumption efficiency, individual mass, body condition,
and abundanceof keydetritivore taxa (Connolly&Pearson, 2013;Danger et al., 2013;
Halvorson et al., 2018).

Increased P content of leaf litter after nutrient enrichment appears to be a critical
factor for detritivore responses to nutrients in some cases, especially given the rela-
tively high and potentially flexible body P of some detritivore taxa (e.g., Tallaperla
sp. ~1% P; Cross et al., 2003; Prater et al., 2020), and the importance of dietary P for
rapid growth (Demi et al., 2018; Halvorson et al., 2016; Prater et al., 2015), and detri-
tivore fitness (Connolly & Pearson, 2013). In an experimental study of five streams
continuously enriched with varying concentrations of N and P, Demi et al. (2019)
showed strong positive detritivore community responses, with 30–300% increases
in detritivore biomass under nutrient-enriched conditions. The taxa that responded
to nutrient enrichment (especially stoneflies of the genera Allocapnia, Leuctra, and
Tallaperla and the caddisfly genus Pycnopsyche) also showed increased biomass
with nutrient-induced decreases in litter C:P ratios. The relationships between exper-
imental nutrient enrichment, reduced litter C:P ratios, and detritivore biomass found
by Demi et al. (2019) are also consistent with correlative evidence from a landscape-
scale study that dealt with the effects of a streamwater nutrient (TN, TP) and corre-
sponding litter nutrient (C:N, C:P) gradient (Prater et al., 2015). In this study, detriti-
vores with low body C:P ratios (e.g., caddisflies of the genus Pycnopsyche) tended to
have higher abundance and biomass in streams that exhibited higher P concentrations,
and corresponding higher quality leaf litter (lower C:P ratios).
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16.2.3 Comparing the Magnitude of Microbial Decomposer
vs. Detritivore Effects on Decomposition

The relative importance ofmicrobial and detritivore contributions to leaf litter decom-
position changes as decomposition progresses (Hieber & Gessner, 2002) with the
initial microbial colonization and conditioning of leaf litter being critical for the
subsequent consumption by detritivores (Fig. 16.2; see above Microbially mediated
litter processing and Detritivore mediated litter processing). The different traits and
functions of microbial decomposers, detritivores, and their interactions can result
in different outcomes for their cumulative contributions to leaf litter decomposition
under nutrient-enriched conditions. For instance, becausemicrobial decomposers can
obtain nutrients from both leaves and continuously renewed dissolved nutrients in
flowing water, their responses to elevated dissolved nutrients can be rapid, however,
microbial demands will be likely met at relatively low dissolved nutrient concentra-
tions. Detritivores exclusively rely on nutrients from leaf litter (including associated
microbial biomass), so their responses to nutrient enrichment are mediated bymicro-
bial immobilization of N and P from thewater column, especially when freshly fallen
leaf litter has low nutrient content. Using field data from an experimental enrichment
of a forest stream, combined with microbial assimilation and invertebrate feeding
models, Tant et al. (2015) quantified the relative contributions of fungi, bacteria, and
detritivores to decomposition rates under reference and nutrient-enriched conditions.
Their findings largely confirmed that microbial decomposers contribute 3.9–6.9×
more than detritivores at early stages of rhododendron leaf decay (days 0–49) under
reference conditions, with contributions of detritivores outweighing those of micro-
bial decomposers at later stages of decay (days 49–108). Under nutrient-enriched
conditions, the relative importance of detritivores was greatly increased, so they
contributed more to decomposition than microbial decomposers by earlier stages of
rhododendron decay (days 7–49) due to an early and relatively high peak of fungal
biomass (Tant et al., 2015). This modeling approach to quantify the relative impor-
tance of microbial decomposers vs. detritivores in response to nutrient enrichment
underscores the possibility that detritivore-mediated decomposition may respond
strongly to nutrients, particularly when leaf litter is nutrient poor.

Another common method to separate the effects of macroinvertebrates and
microorganisms for litter processing is to enclose leaf litter in mesh bags of different
mesh size. Typically, mesh aperture <1 mm is sufficient to exclude larger detriti-
vores, allowing for comparisons between litter decomposition mediated by micro-
bial decomposers alone (kfine) vs. litter processing by shredding detritivores and
microbial decomposers together (kcoarse or ktotal). For example, Gulis, Ferreira et al.
(2006) showed that litter type was an important driver of differential response of
litter decomposition rates to nutrient enrichment when invertebrates were excluded
(kfine) vs. present (kcoarse). The relative importance of each group of decomposers
can be compared by examining the ratio of kcoarse/kfine (i.e., decomposition due to
microbial and detritivore activity together relative to decomposition due to microbial
activity only). In Gulis, Ferreira et al. (2006), kcoarse/kfine ratio was 2.54 and 3.59
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for alder leaves in reference and nutrient-enriched conditions, respectively, while
for slower-decomposing oak, kcoarse/kfine was 1.92 and 3.72 in reference vs. nutrient-
enriched streams. Both cases illustrate that kcoarse responded to nutrient enrichment to
a greater extent, especially for nutrient-poor oak, demonstrating that nutrient effects
on decomposition rates are amplified when detritivores are present. In contrast to
this finding, an exhaustive meta-analysis (Ferreira et al., 2015) of nutrient enrich-
ment effects in correlative studies found that litter decomposition rates in coarse and
fine mesh bags were stimulated to a comparable degree (26 and 21%, respectively),
while in manipulative studies nutrient effects were significant for litter decomposi-
tion rates in fine mesh bags (35% increase) but not in coarse mesh bags (Fig. 16.3a).
This finding is inconsistent with the prediction that nutrient enrichment should stim-
ulate total decomposition rates more than microbial decomposition rates; however,
as noted previously, leaf litter traits, such as C quality and C:nutrient ratios, likely
have a modulating effect on the magnitude of microbial and detritivore responses to
nutrient enrichment.

Insights from experimental studies and watershed- to regional-scale surveys of
litter decomposition rates have been important for gaining a firm understanding of
the mechanisms that stimulate leaf litter decomposition in nutrient-rich streams.
However, these studies often face inherent shortcomings in terms of the narrow
range of nutrient concentrations that are tractable to achieve, in addition to the
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Fig. 16.3 Response ratios (knutrient-enriched/kreference) and 95% confidence intervals (CI [vertical
bars]) of microbially mediated (i.e., fine mesh) and total (i.e., coarse mesh) decomposition rates
from Ferreira et al. (2015) (a), and of microbially (i.e., fine mesh) and invertebrate-mediated (i.e.,
coarse–fine mesh) decomposition rates as a function of initial litter lignin concentration (%) from
a multi-year experimental enrichment of 5 streams (Manning et al., 2016) (b). The horizontal
dashed line in (a) and (b) indicates a response ratio of 1 (knutrient-enriched = kreference). In (a),
nutrient enrichment stimulated both microbially and total (microbially and invertebrate-mediated)
decomposition rates in correlative studies, but only microbially mediated decomposition showed
a response in manipulative stream channel studies (the 95% CI around the mean response ratio
does not cross 1); response ratios did not differ across treatments (the 95% CIs overlap). In (b),
invertebrate-mediated decomposition rate response ratios (filled squares) increased as a function
of initial lignin concentration (linear regression; kcoarse–fine response ratio = 2.4 × initial lignin
– 18.3; R2=0.75, P = 0.003), whereas microbially mediated decomposition response ratios showed
no relationship with initial lignin concentration
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idiosyncrasies of limited spatial scales (e.g., effects of regional climate or land use).
Thus, continental-scale experiments that involve standardized methods and exten-
sive spatial replication offer considerable promise for testing hypotheses related
to nutrient enrichment that cannot be addressed by small-scale studies. These
continental-scale experiments are especially effective because they reflect the spatial
scale of pervasive nutrient enrichment. The pan-European RivFunction project
addressed the effects of nutrient enrichment on decomposition rates of oak and alder
leaf litter enclosed in both coarse and fine mesh bags that were incubated in 100
streams spanning a broad nutrient gradient (Woodward et al., 2012). Decomposi-
tion rates of both oak and alder leaf litter showed a hump-shaped relationship with
dissolved nutrient concentration, especially for detritivore-mediated litter decom-
position (Woodward et al., 2012). Notably, decomposition rates responded in this
way to both dissolved N and P concentrations. Slow leaf litter decomposition in low
nutrient streams was likely due to nutrient limitation of microbial activity, while
low decomposition rates at extreme nutrient enrichment were likely due to toxic
effects to detritivores (e.g., high ammonium or nitrite concentrations) or concomitant
changes in other environmental characteristics (e.g., oxygen depletion, smothering
by fine sediments, other toxic pollutants). Thus low-to-moderate nutrient enrich-
ment should elicit the strongest response of litter decomposition rates in streams
affected by anthropogenic pollution. This generalization was made possible due
to the extremely wide ranges of nutrient concentrations that occurred in the 100
study streams across Europe (1–926 µg SRP L-1, 14–21,641 µg DIN L-1). Similar
extreme ranges in nutrient concentrations have been documented on other conti-
nents, including North and South America, Australia, and Asia (McDowell et al.,
2020). However, continental-scale studies investigating nutrient enrichment effects
on leaf litter decomposition in these regions are nonexistent, such that it remains
unclear whether similar patterns in leaf litter decomposition rates exist across other
continents. The sampling bias toward temperate regions is especially important to
address given that leaf litter species and benthic communities in tropical regions may
respond differently to nutrient enrichment due to the unique phenologies of riparian
forests, their phylogenetic context (e.g., LeRoy et al., 2020), and the biogeography
of microbial decomposers and detritivores in these catchments (Boyero, Pearson,
Dudgeon et al., 2011; Boyero et al., 2015; Seena et al., 2019).

16.2.4 Litter C Quality and C:Nutrient Stoichiometry

Multiple initial characteristics of autumn-shed leaf litter affect their decomposition
rates (Enríquez et al., 1993;Webster &Benfield, 1986). Among these characteristics,
we will focus on leaf litter C quality, or abundance of structural plant polymers (e.g.,
lignin), in addition to leaf litter nutrient stoichiometry (i.e., C:nutrient ratios) and their
interactions with streamwater nutrient supply. Litter types with high concentration
of recalcitrant compounds (e.g., lignin) have been shown to consistently respond to
nutrient enrichment to a greater extent than more labile litter types (Ferreira et al.,
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2015; Manning et al., 2016), with some exceptions (Ardón et al., 2006). A recent
study showed that for standardized C substrates that differed in structural compounds
(recalcitrant wood veneers vs. labile cellulose sponge), microbial respiration and
decomposition were stimulated on both substrates, but decomposition had a greater
response to nutrients on recalcitrant wood veneers (Usher et al., 2020).

A key predictor of slower leaf litter decomposition, beyond bulk C:nutrient
concentrations, is leaf litter structural and defense compounds that can delay initial
colonization by fungi, and impede detritivore consumption. Specifically, structural
plant polymers, like lignin and aromatic compounds related to plant defenses (e.g.,
polyphenols, tannins), are often associated with slower decomposition rates (Ardón
et al., 2006; Jabiol et al., 2019; LeRoy & Marks, 2006). Lignin is especially diffi-
cult for many microbial decomposers to break down, requiring the ability to produce
ligninolytic enzymes (Hendel et al., 2020). Slow-decomposing leaf litter that contains
higher amounts of these structural compounds is often also nutrient poor (i.e., high
C:nutrient ratios). However, the relative importance of litter C:nutrient concentration
vs. lignin or polyphenol concentration in modulating the effects of dissolved nutrient
enrichment remains understudied. In amicrocosm experiment investigating the inter-
actions between litter nutrient and lignin concentration across 38 litter species, Jabiol
et al. (2019) found that lignin concentration was a stronger predictor of microbial
responses to dissolved nutrient enrichment than initial litter nutrient concentration;
leaf litter decomposition rates increased 2.9× for lignin-poor leaf litter vs. 1.4×
for lignin-rich leaf litter. However, it is well established that microbial activity and
decomposition rates of wood that has much higher lignin content than leaf litter (but
also lower nutrients) nevertheless respond more strongly to dissolved nutrients than
those of leaf litter (Ferreira et al., 2006; Gulis et al., 2004; Stelzer et al., 2003). Thus,
it appears that relaxed nutrient limitation due to availability of dissolved nutrients
may alleviate limitations specific to structural C compounds as well.

Some detritivore taxa harbor gut microbiota that aid in the digestion of complex
C compounds, perhaps reducing the importance of lignin as a barrier to its consump-
tion by detritivores (Canhoto & Graça, 2006). Detritivore consumption of bulk leaf
material and non-consumptive uses (i.e., case-building by caddisflies) implies that
detritivores may respond differently to the interactive effects of high-lignin litter
and nutrient enrichment because of enhanced conditioning that changes the mechan-
ical features of the litter (reduced leaf toughness; Foucreau et al., 2013). To further
examine the interplay between leaf litter lignin and nutrient enrichment, we explored
responses (response ratio = nutrient-enriched/reference) of 4 leaf types (red maple,
tulip poplar [Liriodendron tulipifera], chesnut oak [Quercus prinus], and rhododen-
dron) with variable initial lignin concentration to nutrient enrichment using data from
Manning et al. (2016). Litter was enclosed in litterbags with fine and coarse meshes,
to allow for comparison between microbial (kfine) and detritivore-mediated (kcoarse–
kfine) decomposition rates. These data illustrate increasing response magnitude for
decomposition rates mediated by detritivores (plus physical abrasion), compared
to microbially mediated decomposition, as a function of initial lignin concentration
(Fig. 16.3b). This evidence, combinedwith previous findings that indicate differential
effects of lignin on microbial decomposers vs. detritivores, suggests that microbial
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decomposition of lignin-rich litter species will respond to a lesser degree to nutrient
enrichment than detritivore-mediated litter decomposition.

As mentioned previously (see Microbially mediated litter processing, above),
aquatic fungi that colonize leaf litter are able to use both dissolved nutrients and nutri-
ents contained in leaf litter (e.g., Cheever et al., 2013; Pastor et al., 2014; Suberkropp,
1998). This ability can allow fungi to immobilize dissolved inorganic nutrients and
alter litter C:nutrient ratios as decomposition progresses (Cheever et al., 2013; Cornut
et al., 2015; Gulis et al., 2017). As a result, patterns of nutrient immobilization and
the ratio of C:nutrients in decomposing leaf litter are expected to vary through time
(from initial to late stages of decomposition), and with litter type, where initially
nutrient poor species likely gain disproportionate amounts of nutrients relative to
nutrient-rich species (Manzoni et al., 2010; Scott et al., 2013).

Landscape-scale relationships between stream nutrient concentrations and the
C:nutrient ratio of leaf litter have been observed, consistent with the prediction that
the degree of nutrient immobilization in leaf litter is driven partly by dissolved
nutrient availability. Across landscape-scale gradients of stream P concentrations,
Scott et al. (2013) observed a negative relationship between litter C:P ratio and
increasing stream P. A similar relationship was observed by Prater et al. (2015), with
associated consequences for shredding macroinvertebrate communities (see Detriti-
vore-mediated litter processing, above). In experimental contexts, fungal-mediated
changes to leaf litter C:nutrient stoichiometry have been shown to be an impor-
tant link between streamwater nutrients and decomposition rates, especially for
invertebrate-mediated decomposition (Manning et al., 2015).

16.2.5 Mechanistic Effects of N vs. P

The mechanisms of effects of streamwater N vs. P via effects on fungal biomass,
associated change in litter nutrient content, and effects on detritivores are somewhat
similar (Manning et al., 2015), with a key difference. A structural equation analysis
was used to discern differences in the effects of N vs. P in an experiment in which
both nutrients were increased in 5 streams, but with nutrient gradients running in
opposite directions (i.e., in high P streams, N was low and in high N streams, P
was low). This analysis revealed that dissolved P had effects on decomposition not
only through fungal uptake and effects on litter stoichiometry, but that there was
additional variance in litter stoichiometry explained by streamwater P concentrations
alone, suggesting storage of P when it was available (Fig. 16.4). Nitrogen effects on
litter stoichiometry were explained by fungal biomass, with no additional evidence
of storage. The ability of fungi to store P but not N, affecting fungal and detrital
stoichiometry, has been corroborated in laboratory studies (Gulis et al., 2017). These
findings may have implications for management, as fungi may be able to store excess
P in relation to its availability in streamwater, which is temporally variable.
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Fig. 16.4 Structural equation models showing relationships among streamwater dissolved inor-
ganic nitrogen (DIN; a) and soluble reactive phosphorus (SRP; b) concentrations and drivers of leaf
litter decomposition rates. Standardized path coefficients are shown, where the sign of the coef-
ficient indicates the direction of the effect between variables. Arrow weights correspond to path
coefficients adjusted based on standard deviations, with the strength of the correlations indicated by
arrow width (small, medium, and large arrows denote adjusted coefficients <0.30, >0.30 and <0.45,
>0.45, respectively). Path coefficients not significantly different from zero are shown with dashed
arrows. Figure redrawn from Manning et al. (2015), with permission.

16.3 Consequences of Nutrient Effects on Litter
Decomposition for Aquatic Ecosystems

16.3.1 Other Global Change Drivers Interact with Nutrients:
Nutrient × Temperature Effects on Leaf Litter
Decomposition

The effects of nutrient enrichment on litter decomposition in streams may be modi-
fied by concomitant changes in other environmental variables. For instance, nutrient
enrichment of streamwater in agricultural contexts can be accompanied by increases
inwater temperature if the riparian vegetation is removed,which increases the amount
of solar irradiation reaching the stream (Gomi et al., 2006; Johnson & Jones, 2000;
Kiffney et al., 2003). Also, higher water temperatures in a global warming context
can be accompanied by increases in dissolved nutrient concentration because of
increased nutrient mineralization and decreased water volume (Moss et al., 2011;
Murdoch et al., 2000).

The last decade has witnessed an increase in the number of studies addressing
possible interactive effects of nutrient enrichment and increased temperature on litter
decomposition. While moderate increases in each factor generally stimulate litter
decomposition, their interaction is difficult to predict with synergistic, antagonistic
and additive effects reported. For instance, Ferreira and Chauvet (2011) reported
synergistic effects between nutrient concentration (low: 1390 µg NO3-N L-1 and
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10 µg PO4-P L-1; high: 13860 µg NO3-N L-1 and 100 µg PO4-P L-1) and water
temperature (5, 10 and 15 °C) on alder leaf litter decomposition in microcosms,
with stronger effects of nutrient enrichment in warm than cold water conditions
and stronger effects of warming in high than in low nutrient conditions. Fernandes
et al. (2014) also found an interaction between the effects of nutrient concentration
(0.09–5 mg NO3-N L-1) and water temperature (12 and 18 °C) on alder and oak
leaf litter decomposition in microcosms with stronger effects of temperature at low
nutrient concentrations. Piggott et al. (2012) found an interaction between the effects
of nutrient concentration and water temperature (ambient and elevated by 1.4 °C) on
mahoe (Melicytus ramiflorus) leaf litter tensile strength loss in mesocosms, whereas
Piggott et al. (2015) found no significant interaction between the effects of nutrient
concentration and water temperature (6 levels, 0.7–6 °C above ambient temperature)
on seven mahoe litter decomposition measures in mesocosms. Manning et al. (2018)
found additive effects of nutrient concentration (82–517 µg DIN L-1 and 93–9.7 µg
SRP L-1, N and P varied in opposite directions) and water temperature (0.8–19.5 °C)
onmicrobial respiration rates in streams under experimental nutrient enrichment over
a seasonal temperature gradient. Leaf litter AFDM-specific respiration rates were
1.24–1.51× higher under nutrient enriched conditions and were positively related
with temperature, but no interaction was found between factors (Manning et al.,
2018).When fungal biomass-specific respiration rates were considered for leaf litter,
no effect of nutrient enrichment was detected, while the effect of temperature was
positive.

Studies addressing the interaction between nutrient concentration and water
temperature are still scarce and use distinct methodological approaches, which make
comparisons and predictions difficult. The distinct types of interaction found may
reflect different methods or suggest that other factors may modify the interaction
between nutrients and temperature (e.g., litter characteristics, biotic communities).
For instance, while both temperature and nutrients are generally predicted to increase
microbially mediated respiration and leaf processing (Follstad-Shah [Chapter 12 in
this volume], Tiegs et al., 2019), higher temperatures likely inhibit stream detriti-
vores over the short term, or potentially extirpate cold-adapted detritivores over the
long term, decreasing litter decomposition rates (Boyero, Pearson, Dudgeon et al.,
2011; Boyero et al., 2016). Effects of temperature on growth and activity of aquatic
fungi also vary across temperatures commonly found in streams (Dang et al., 2009)
and can be further complicated by temperature-driven changes in fungal community
structure. Nevertheless, considering possible interaction between nutrient concentra-
tions and water temperature could be critical for water resource managers in the face
of climate and land use changes that couple higher temperatures and nutrient enrich-
ment. For instance, low nutrient concentration in an oligotrophic mountain stream
likely mitigated the effect of experimental stream warming on litter decomposition
(Ferreira & Canhoto, 2015), while low water temperature reduced the potential stim-
ulatory effect of high nutrient concentration on litter decomposition in insular streams
(Ferreira et al., 2016).
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16.3.2 Nutrient Enrichment Results in Shorter C Residence
Time in Streams

Managing nutrient pollution requires consideration of how leaf litter in streams
contributes to ecosystem functions that benefit and support ecosystem health and
humanwell-being (i.e., ecosystem services; Frainer et al. [Chapter 21 in this volume],
Richardson et al. [Chapter 22 in this volume]); with the understanding that nutrient
enrichment may modify the availability (timing, retention and export) of leaf litter
resources that fuel stream food webs, as well as stream nutrient uptake rates and
export (Newbold, Elwood, O’Neill et al., 1983; Robbins et al., 2019), and feed-
backs to the global C cycle and climate change (Follstad-Shah [Chapter 12 in this
volume]).Models and observations that target site- to catchment-scale understanding
of how nutrients speed the sequence of leaf litter depletion from annual peaks to
annual minima could provide several useful benchmarks that link stream leaf litter
to its important roles as a driver of other critical stream ecosystem functions. Fortu-
nately, measuring stream ‘decomposition potential’ via litterbag experiments gener-
ally mirrors rates of detritus loss at the stream-reach scale (Rosemond et al., 2015)
such that litterbag studies remain a viable and economical option to parameterize
models and make predictions about annual depletion of leaf litter standing stocks for
any stream of interest with relatively few data points (Fig. 16.5). With litter decom-
position rate data in hand, investigators could simulate multiple scenarios, including
the effects of nutrient enrichment, and apply them to predict how quickly leaf litter
would be processed within a given stream (e.g., time to 50% mass loss [T50], mean
residence time, etc.). In addition, estimates of the temporal dynamics of leaf litter
standing stocks at stream-reach scale could potentially be used within hierarchical
models to predict other ecosystem functions that are coupled to the amount of organic
matter in the stream, such as nutrient uptake (Robbins et al., 2019), consumer produc-
tion (Venarsky et al., 2018; Walther & Whiles, 2011), and ecosystem metabolism
(Bernot et al., 2010).

16.4 Management Implications of Nutrient Enrichment
Effects on Leaf Litter Decomposition

16.4.1 Litterbag-Scale Measurements Are Predictive
of Whole Stream Reach Processes

Nutrient enrichment has been shown to have effects on standing stocks of detrital
C at whole stream-reach scales (Rosemond et al., 2015). Because both small-
scale litterbag measurements and stream-reach measurements were made concur-
rently, Rosemond et al. (2015) provide evidence that litterbag measurements accu-
rately predict larger scale processes (Fig. 16.5b). Further, decomposition rates from
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Fig. 16.5 Modeled benthic leaf litter mass (g AFDM m-2) within hypothetical streams under
reference and nutrient-enriched conditions (after Rosemond et al., 2015) (a). We simulated peak
benthic leaf litter mass within the stream from a normal distribution with mean 1000 g AFDM
m-2 and standard deviation of 250 g AFDM m-2. We then used random draws from decay coeffi-
cients observed for 4 leaf litter species (Acer rubrum [Maple],Quercus prinus [Oak], Liriodendron
tulipifera [Tulip poplar], Rhododendron maximum [Rhododendron]) under reference (n = 80) and
nutrient-enriched (n= 160) conditions from an experimental nutrient enrichment of 5 streams in the
Southern Appalachian mountains, North Carolina, USA (Manning et al., 2016). Solid and dotted
curved lines indicate the mean leaf litter mass at time t from 1000 simulations under reference and
nutrient-enriched conditions, respectively; gray and light gray areas indicate ± 1SD under refer-
ence and nutrient-enriched conditions, respectively. Solid and dotted vertical lines show the time to
50% mass remaining (T50) for reference and nutrient-enriched, respectively. On average, T50 was
reduced by about half with nutrient enrichment (T50 = 108 days at reference; T50 = 49 days at
nutrient-enriched). In (b), we show how measuring litter decomposition rates using litterbags for
these same four litter species can approximate whole-stream litter loss rates. Whole-stream leaf
litter loss rates are shown from corresponding streams and years for the four leaf litter types across
the five streams under reference (open circles) and years 1 (gray circles) and 2 (black circles) of
experimental N and P enrichment. Litterbag rates were quantified from coarse-mesh bags and repre-
sent microbial + detritivore-mediated decomposition. The dashed line in each panel represents a
1:1 relationship, the solid line indicates the linear relationship between litterbag and whole-stream
litter loss rates
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litterbags of medium-quality litter (in terms of both recalcitrance and nutrient
content—relative to other litter types tested) were most closely aligned (closest to
a 1:1 relationship; maple slope = 0.46, oak slope = 0.40) with stream-reach scale
dynamics, whereas low quality litter (rhododendron) had the best predictive relation-
ship (R2= 0.56) with stream-reach rates (Fig. 16.5b). The better predictive power
may have been due to the resistance to physical fragmentation (such that biologically-
driven processes dominated) for these litterbag measurements. The ability to predict
whole-stream standing stocks of detritus, which has been linked to other important
stream ecosystem functions, from small scale measurements is a critical step toward
fully incorporating heterotrophic processes into management programs devoted to
mitigating nutrient enrichment in streams.

16.4.2 Using Decomposition Rates to Assess Nutrient Effects
on Stream Ecosystems

Litterbags can predict larger scale processes and previous work has summarized the
characteristics of litter that are best-suited for management applications (Chauvet
et al., 2016). Among these characteristics are several noted in this chapter, including
the potential utility of exploiting differences in intrinsic leaf litter traits (e.g., lignin,
C:nutrient stoichiometry) that greatly affect responses to nutrient enrichment. Alter-
natively, minimizing variability among leaf litter to isolate the effects of nutrient
enrichment using standardized substrates can be a useful approach. For example,
standardized cotton-strip assays have been used to generate comparable decompo-
sition rates to understand the global patterns that drive detrital C processing (Tiegs
et al., 2019), but they have yet to be applied to understand the effects of nutrient
enrichment at such extensive scales (Colas et al., 2019). Further, litter decomposi-
tion responses to nutrient enrichment can often be non-linear, complicating efforts to
detect and effectivelymanage the effects of nutrient pollution in streams (Dodds et al.,
2010; Jarvie et al., 2013; Woodward et al., 2012). In general, nutrient enrichment is
predicted to increase rates of leaf litter processing according to the asymptotic model
(e.g., Monod- or Michaelis-Menten-type relationships; Ferreira et al., 2006; Komi-
noski et al., 2015; Rosemond et al., 2002), but as mentioned throughout this chapter,
certain conditions can result in unchanged or slower leaf litter decomposition than
would be predicted based on nutrient concentrations alone (e.g., Royer & Minshall,
2001; Woodward et al., 2012). These challenges may require the use of additional
standardized substrates, in tandem with substrates like cotton strips, that are sensi-
tive to bothmicrobial and detritivore-mediated decomposition, in order to adequately
quantify their interaction in response to nutrient enrichment. Recent evidence from
a study that exploited landscape scale nutrient concentration gradient suggests that
wood veneer substrates can be predictive of nutrient enrichment effects, and notably,
sensitive to relatively narrow ranges of nutrient concentrations (Usher et al., 2020).
While wood veneers are unlike leaf litter in many ways, they have several similar
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intrinsic characteristics that may make them a suitable substrate for detecting either
N or P enrichment effects: they have low nutrient content and high lignin concentra-
tions, are consumed by detritivores (e.g., Eggert&Wallace, 2007), and are resistant to
physical abrasion. Thus, the combination of standardized cellulose substrates (such
as cotton strips) and standardized substrates that are recalcitrant (e.g., wood veneers)
could be a powerful tool for predicting nutrient enrichment effects on leaf litter
across landscape-scale gradients that either dampen or enhance interactions among
nutrients, microbial decomposers, and stream detritivore communities.

16.5 Conclusions

Nutrient enrichment will continue to threaten freshwater resources that provide for
crucial ecological and societal needs. The extent of the problem suggests that many
ecosystem functions and the services they provide will be affected, with undesir-
able consequences for stream ecosystem health. Among the ecosystem functions
that occur within streams, leaf litter decomposition is an established metric that
is currently and will continue to be affected by nutrient enrichment. Stimulation
of heterotrophic pathways via elevated nutrient concentrations has been shown to
involve multiple levels of organization, from microorganisms to invertebrates, can
affect respiration (CO2 flux), and ecosystem-scale processing of litter-derived C
and nutrients. Collectively, experimental enrichment studies, micro- and mesocosm
experiments and landscape-scale studies indicate that (1) dissolved N and P affect
litter by stimulating fungal activity and nutrient immobilization, thus, increasing
detrital nutrient content, (2) the joint effects of N and P together (compared to N
and P alone) as well as the presence of detritivores result in greater effects, and (3)
the whole-stream reach effects of nutrient enrichment can be predicted from small
scale measurements. With the caveat that watershed land use and ecological context
are important (e.g., are nutrients limiting to stream heterotroph growth and activity?
Are high nutrient concentrations occurring alongsidewater-quality issues such as low
oxygen and sedimentation?), the combined effects of nutrient enrichment onmultiple
levels of stream food webs increase litter decomposition rates by ~50% on average,
reducing residence time of this important resource that forms the energy base of most
stream ecosystems. The importance of terrestrial organic matter, and specifically leaf
litter, for stream food webs has been documented in numerous contexts; thus, any
changes to the timing of its availability could also modify functions that are medi-
ated by stream biota (e.g., nutrient uptake and retention, secondary production, insect
emergence). As our mechanistic understanding of leaf litter decomposition and its
responses to nutrient enrichment continues to solidify, future efforts should endeavor
to fully incorporate this integrative measure of stream ecosystem functioning into
nutrient monitoring and management strategies.
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Chapter 17
How Toxicants Influence Organic Matter
Decomposition in Streams

Mirco Bundschuh, Alexander Feckler, Ralf B. Schäfer, Ralf Schulz,
and Jochen P. Zubrod

Abstract The ecosystem process of organic matter decomposition (OMD) in fresh
waters is realised by a complex interaction among different groups of microor-
ganisms (including bacteria and fungi) and detritivorous animals. As a conse-
quence of thismulti-level interaction, biotic (e.g., competition, predation) and abiotic
(e.g., flow, temperature, toxicants) factors may influence the performance of either
(micro)organism group with potential feedback to detritivores, and in turn OMD. In
this chapter, we discuss how the abiotic factor toxicants affects OMD. We organ-
ised the chapter along a conceptual model that pinpoints groups of organisms and
their interactions, which are critical for OMD.We focus on four toxicant classes (i.e.,
fungicides, antibiotics, insecticides andmetals) that specifically affect fungi, bacteria
or detritivorous invertebrates or have a broad activity spectrum. We summarize the
effects caused by these toxicant classes on relevant groups of organisms, which are
often determined by the toxicant mode of action. On this basis, we develop effect
pathways leading to alterations in OMD dynamics. Finally, we discuss whether and
how these effect pathways may support the interpretation of effect patterns observed
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under (semi-)field conditions and highlight research gaps we suggest addressing in
order to improve understanding and prediction power.

17.1 Introduction

Understanding carbon and nutrient dynamics in ecosystems is one of the most chal-
lenging tasks in ecology (Guenet et al., 2010). Carbon and nutrients form a major
part of the 100 gigatons of terrestrial plant material produced annually (Gessner
et al., 2010), of which a large share (90%) enters the detrital pool as organic material
(OM) of variable quality (Guenet et al., 2010). The OM also tightly links terres-
trial and aquatic ecosystems as the latter is subsidized with more than 90% of its
budget by carbon, nutrients and energy of allochthonous sources (Brett et al., 2017).
The energy stored in allochthonous OM is released to the aquatic system through
decomposition to fine particulate OM (FPOM) and dissolved OM (DOM) primarily
via the activity of microbial decomposers (including bacteria and fungi) and detri-
tivores (Anderson & Sedell, 1979). The latter group mainly comprises amphipods,
isopods, plecopterans, and trichopterans (Cummins et al., 1989) and contributes
substantially to OM decomposition (OMD). However, depending on the ecosystem
studied, the contribution of bacteria and fungi can be as high as 70% and thus exceed
the OMD realised by detritivores (Taylor & Chauvet, 2014). Additionally, the colo-
nization of leaves by microorganisms (=conditioning) is of fundamental importance
for the OMD process as nutrition of higher trophic levels depends strongly on this
conditioning process. This is because microbial conditioning increases the quality
of OM for detritivores due to the production of proteins and lipids as well as the
degradation of indigestible OM components (Jenkins & Suberkropp, 1995). The
finally released FPOM, a high-quality food source (Bundschuh & McKie, 2016), is
eventually ingested by filtering and collecting invertebrates (Cummins, 1973). As
a consequence, OMD is an important ecosystem process driving element cycling
within and across ecosystem boundaries (e.g., via emergence of detritivores with an
aquatic and terrestrial life stage).

Table 17.1 Various context parameters of importance for OMD not explicitly covered by the
conceptual model in Fig. 17.1

Spatial scale Parameter(s) Affected group or parameter

Biome/landscape Geology and climate Indirect effects on microbial decomposers and
detritivores through effect cascades on hydrology and
temperature, which in turn affect water chemistry, leaf
quality & quantity, and water turbulence

Watershed Leaf quantity Direct effect on detritivores

Water chemistry Direct effects on microbial decomposers and
detritivores

Water turbulence Direct effect on OMD through physical fragmentation
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The conditioning of OM is determined by complex interactions among microor-
ganisms. Some authors, for instance, reported antagonistic effects of bacteria on
fungi during OM conditioning in streams (Gulis & Suberkropp, 2003; Schneider
et al., 2010). On the contrary, contrasting results have been reported for the influence
of fungi on bacterial colonization. Gulis and Stephanovich (1999) reported antibi-
otic properties of some species of aquatic hyphomycetes (a polyphyletic group of
fungi), whereas Schneider et al. (2010) observed a stimulation of bacterial growth
on leaves in the presence of fungi. The authors suggested that the positive effect of
fungal species on bacteria could be driven by the provision of OM degradation prod-
ucts formed by fungal extracellular enzymes. Furthermore, antagonistic interactions
among fungal species competing for resources have been reported (e.g., Bärlocher,
1991; Yuen et al., 1999). Despite these complex interactions, it has been suggested
that biodiversity of all involved organism groups plays an important role in OMD
(Gessner et al., 2010). It is assumed that a higher diversity of aquatic hyphomycetes
leads to a higher functional diversity and ultimately higher OMD rates (Costantini &
Rossi, 2010). Moreover, the functions provided by species-rich microbial commu-
nities may be more stable under increasing levels of stress (Pascoal et al., 2010),
which can be explained by the redundancy hypothesis. This hypothesis postulates
that the effect of species loss on ecosystem functioning is compensated by species
with similar functional traits (Walker, 1992).

Over 350,000 chemicals and mixtures of chemicals have been registered for
production and use (Wang et al., 2020). Chemicals can enter freshwater ecosys-
tems as a consequence of their intended application in the field (e.g., deliberate
emission of pesticides) or as unintended by-product (e.g., pharmaceutical emission
in wastewater discharge) of their use (Schwarzenbach et al., 2006). In the environ-
ment, many chemicals (hereafter called toxicants) can exert adverse toxic effects
on freshwater organisms and in turn on ecosystem functions. A recent study high-
lighted that concentrations of organic toxicants exceeded low risk thresholds for
approximately half of German rivers, which was similar to the risk exerted by inva-
sive species, although hydromorphological stress and excessive nutrients were the
dominant stressors (Schäfer et al., 2016). Increasing evidence suggests that toxicants
influence freshwater (micro)organisms and cause a selection of more tolerant strains,
phenotypes or species (e.g., Feckler et al., 2018), which secure stable OMD (see as
one case studySchäfer et al., 2007).Mechanistic studies on how stressors affect popu-
lations and communities at the landscape scale are lacking. This is largely because
the identification of mechanisms is typically hampered by the spatio-temporal vari-
ability of multiple environmental and biotic conditions that shape populations and
communities, as well as by the absence of true replicates. Studies under controlled
conditions (laboratory) may allow for the identification of such mechanisms under
(semi-)field conditions. However, the sheer amount of organic and inorganic toxi-
cants of natural or anthropogenic origin that are found in freshwater ecosystems
and may harm organisms complicates the extrapolation from the laboratory to the
field. Toxicants subsume chemicals with diverse modes of action (MoAs), which
is defined as the biochemical mechanism through which a chemical influences an
organism. They are, moreover, used for different purposes in a range of fields such as
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medicine, agriculture, life stock and industrial production leading to different expo-
sure profiles in freshwater systems. The exposure profiles can be separated in press
(long term) and pulsed (temporary) disturbances. The first is reflected by a constant
release of, for instance, municipal wastewater, and the latter by a short-term exposure
as a consequence of runoff from roads or agricultural fields. Additionally, the MoA
of a chemical determines the group of organisms that responds strongest to it and
could shape the effect pathway leading to implications in OMD.

Here we will focus on four groups of toxicants (i.e., fungicides, antibiotics, insec-
ticides and metals) primarily affecting central groups of organisms in OMD. While
fungicides and antibiotics are designed to directly interact through different MoAs
with fungi (e.g., ergosterol synthesis inhibition) and bacteria (e.g., inhibition of bacte-
rial cell wall synthesis), respectively, insecticides influence the nervous system (e.g.,
neonicotinoids) of detritivorous invertebrates or their development (moulting inhibi-
tion). On the contrary, metals constitute a diverse group comprising various MoAs.
For example, some metals have a primarily biocidal MoA and thus affect fungi
and bacteria. The identification of effect pathways within and among trophic levels
specific to chemical groups will help to understand their potential impacts on ecosys-
tems. The outlined sensitivity differences among the organisms involved in OMD to
the various toxicant groups can trigger distinct effect pathways within the food web
and in turn the ecosystem process OMD. Against this background, we introduce a
conceptual model that highlights the relevance of interactions among OM-associated
microorganisms as well as detritivorous invertebrates for OMD under the assump-
tion of pristine (uncontaminated) conditions. Based on this model, we screened the
literature for evidence of effect pathways induced by selected toxicant groups (i.e.,
fungicides, antibiotics, insecticides and metals). We first analyse laboratory studies
for evidence for the theoretical effect pathways. Then we interpret these findings in
the context of mesocosm and field studies, which are typically characterised by a
more complex interaction of multiple environmental factors potentially interfering
with such pathways. We conclude by highlighting research gaps to address in order
to better understand and predict effects of toxicants on OMD.

17.2 Conceptual Model

The conceptual model visualized in Fig. 17.1 is based on the more general perspec-
tive of Graça et al. (2015), where microbial decomposers (including bacteria and
fungi) are subsumed as one organism group. Here, we distinguish between these two
microbial decomposer groups, because toxicants differ in their MoA and thus the
group of (micro)organisms they primarily target. The conceptual model assumes that
bacteria and fungi play a central role in the overall OMD either directly (pathway
1) or indirectly through the consumption of OM by detritivores (pathway 2). Please
note that the term “pathway” refers to mechanisms covered in the conceptual model;
while we use the term “mechanism” in the remaining chapter in a larger context. The
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Fig. 17.1 (a) Conceptual model showing different groups of organisms that are central to OMDand
considered in this chapter. The model was modified after Graça et al. (2015) and forms the basis for
the cascade effects or pathways introduced in the section “Conceptual Model”. The different path-
ways (1–4) are visualised in parts b–e. In part (b), pathway 1 is highlighted in red, namely toxicants
(i.e., fungicides and antibiotics) affect microorganisms colonising OMwith direct consequences on
OMD. Pathway 2 is highlighted in blue in part (c), where toxicants affectmicroorganisms colonising
OM, which affects detritivores. Through this bottom up directed pathway, OMD is affected. The
joint interaction of pathway 1 and 2 is described in pathway 3 (combination of red and blue, d),
which is incorporating the toxicants into aquatic systems as part of the OM and affects OMD
indirectly. Finally, panel (e) highlights in green pathway 4 induced by toxicants (such as insec-
ticides) and directly affecting detritivores and ultimately OMD. This model is used to highlight
potential cascade effect induced by toxicants with variable modes of action (see following subchap-
ters). Context parameters affecting individual organism groups (in)directly, which are‚ however‚
not explicitly considered in the present chapter, are listed in Table 17.1 (cf. Graça et al., 2015)

quality of OM, such as lignin content and C:N:P ratio, influences the ability of micro-
bial decomposers to colonise and decompose OM (García-Palacios et al., 2016).
Differences in microbial colonisation affect the nutritious quality of OM as food for
detritivores, which could have implications for the organisms’ physiology, reproduc-
tion and population development, ultimately altering OMD dynamics (pathway 2).
Besides OM-inherent properties that determine its colonisation by microorganisms
and ultimately OMD, OM may already contain toxicants. Systemic pesticides such
as fungicides or insecticides, which are rapidly taken up and translocated within
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plant tissues, may be present in OMwhen introduced into aquatic ecosystems. Toxi-
cants present in OM can directly influence its decomposition by affecting microbial
decomposers (for fungicides [pathway 1], Newton et al., 2018) or detritivores (for
neonicotinoid insecticides [pathway 2], Englert, Zubrod, et al., 2017). At the same
time, toxicants can also affect the physiology of trees and ultimately OM quality,
whichmakes the stored energymore accessible to decomposers and indirectly affects
OMD (pathway 3, Newton et al., 2018).

Whilemicroorganisms contribute toOMDdirectly or indirectly, detritivores them-
selves decompose OM through consumption, which transforms the energy stored in
OM into FPOM, DOM, and secondary production. The detritivore contribution to
OMD may directly be influenced by toxicants (such as insecticides) altering local
community composition and consequently the local populations’ and communi-
ties’ ability to decompose OM. On the other hand, sublethal changes in detritivore
behaviour, such as their feeding, can alter OM-processing (pathway 4). Detritivores
may also affect microbial decomposers and their OMD efficacy indirectly, either
through the release of nutrients (Villanueva et al., 2012) or by selectively consuming
leaf patches colonized by a particular set of microorganisms (Arsuffi & Suberkropp,
1985). These feedback loops are, however, not specifically considered in this chapter.
Overall, our conceptual model allows to illustrate various effect pathways induced
by toxicants in freshwater OMD. A hypothetical example for several effect path-
ways potentially induced by a single toxicant is that fungicides affect aquatic fungi
and hence their direct contribution to OMD (pathway 1). At the same time, the
fungicide-induced impact on aquatic fungi influences the nutritious quality of OM
for detritivores, changing their feeding behaviour with consequences for growth,
reproduction and population development. These alterations can feed back on the
overall OMD (pathway 2). In a different scenario, the fungicides could also directly
affect detritivores, with impacts on their physiology and ultimately OMD (pathway
4). These schematic effect pathways would likely affect the provisioning of FPOM,
DOM as well as secondary production (see for a more detailed evaluation of FPOM
Bundschuh & McKie, 2016).

17.3 Effect Pathways Induced by Toxicants with Different
Target Organisms

17.3.1 Fungicides

Fungicides are considered an essential tool in crop protection against fungal diseases
(Strange & Scott, 2005). Additionally, fungicides are used in urban areas in paints
and coatings on facades, flat roofs, and basement seals and are applied to public
and private spaces (as reviewed by Zubrod, Bundschuh, et al., 2019). Due to their
intensive use and moderate to high mobility (Reilly et al., 2012), fungicides enter
aquatic ecosystems via point (e.g., discharge fromwastewater treatment plants,Kahle
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et al., 2008) or non-point (e.g., surface runoff, Bereswill et al., 2012) sources. There,
they can cause toxic effects in a wide range of nontarget organisms since their MoA
interferes with basic biological processes that are not specific to fungi (e.g., cellular
respiration, Stenersen, 2004). Consequently, fungicides have been reported to affect
OMD via different pathways (Fig. 17.1).

As fungicides are designed to control fungi and fungal-like organisms, OM-
associated fungi and their functioning might be affected with potential direct effects
on microbially mediated OMD (pathway 1 in Fig. 17.1). Accordingly, Artigas et al.
(2012) found a decreased microbial OMD at 33 µg/L of the fungicide tebuconazole
in a 6-weeks indoor stream channel experiment. Similarly, in 13-day lasting labo-
ratory microcosm experiments, a significant reduction in OMD was observed for
the fungicides azoxystrobin, carbendazim, and cyprodinil (100, 245, and 200 µg/L,
respectively, Zubrod, Englert, Feckler, et al., 2015). Effects on microbial decomposi-
tion may be related to general reduction in microbial biomass/abundance, enzymatic
activity, and shifts in microbial community composition. Bundschuh et al. (2011),
for instance, showed a decreasing fungal biomass (up to 45%; as indicated by the
proxy molecule ergosterol) with increasing tebuconazole concentrations, while at
the highest tested concentration (500 µg/L) also the abundance of OM-associated
bacteria was reduced by 33%. Likewise, Zubrod et al. (2011) andArtigas et al. (2012)
measured reduced fungal biomass upon exposure to 65 and 33 µg tebuconazole/L,
respectively. Moreover, fungicides potentially affect the kinetics of fungal enzymes.
Accordingly, Artigas et al. (2012) demonstrated that tebuconazole affects leaf cellu-
lose and hemicellulose but not lignin decomposition. Laccase activity, in contrast,
is increased during tebuconazole exposure in the aquatic hyphomycete Alatospora
acuminata, potentially as a means of detoxification (Artigas et al., 2017).

In contrast tomicrobiallymediatedOMDand biomass/abundance, shifts inmicro-
bial community composition seem to occur already at low fungicide concentra-
tions (sensu Cornejo et al., 2020). The number of OM-associated fungal species
was significantly reduced at a sum concentration of 6 µg/L of a fungicide mixture
composed of azoxystrobin, carbendazim, cyprodinil, quinoxyfen, and tebuconazole
(Zubrod, Englert, Feckler, et al., 2015). Reported changes in fungal composition
reflect an increasing importance of species that are seemingly fungicide-tolerant
supporting functional stability (cf., functional redundancy). In this context, Tetra-
cladium marchalianum and Neonectria lugdunensis (former Heliscus lugdunensis)
are often dominating fungal communities from Central and Northern Europe when
exposed to fungicides (e.g., Bundschuh et al., 2011; Zubrod, Englert, Feckler, et al.,
2015). Accordingly, fungal communities collected from agricultural streams had a
higher tolerance than those from pristine streams (cf., pollution induced community
tolerance concept (PICT), Blanck et al., 1988; Feckler et al., 2018; Gardeström et al.,
2016). In line with this observation, Schreiner et al. (2018) documented a functional
adaptation of OM-associatedmicrobial communities from originally pristine streams
to fungicide stress over 3 colonisation-decomposition cycles. However, to rigorously
test for functional redundancy and PICT, future studies need to relate single-species
biomass in complex communities through, for instance, quantitative real-time PCR
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(Baudy et al., 2019; Feckler et al., 2017) to the species’ traits (i.e., decomposition
efficiency or enzyme activity).

Given the fungicide-induced changes in fungal community composition, these
toxicants have the potential to affect the quality of OM and thus to trigger effects on
higher trophic levels (pathway 2 in Fig. 17.1C). Indeed, the fungal species domi-
nating fungicide-exposed communities (see above) are of low palatability to or
are even rejected by detritivores such as gammarids (e.g., Arsuffi & Suberkropp,
1989). Accordingly, Bundschuh et al. (2011) showed that the amphipod Gammarus
fossarum preferred leaf material conditioned under control conditions over leaves
conditioned in the presence of 50 and 500 µg tebuconazole/L. In another study,
similar food-choice patterns (significant or by trend) of G. fossarum were found for
a number of other fungicides (azoxystrobin, carbendazim, cyprodinil, quinoxyfen,
and tebuconazole) or their mixture. This fungicide mixture induced a comparable
response pattern in larvae of the insect Chaetopteryx villosa (Konschak et al.,
2019). These findings indicate a uniform response to fungicide-induced changes
in food quality among major detritivore taxa. It must, however, be noted that fungi-
cide residues adsorbed to the leaves’ surface might also contribute to the observed
responses (cf. Zubrod, Englert, Feckler, et al., 2015).

Independent of the underlying mechanism causing a lower palatability of
fungicide-exposed OM, long-term consumption of such material can impact detri-
tivore energy processing and physiology and thus may result in effects along the
food chain (e.g., via an altered FPOM or secondary production; see pathway 2 in
Fig. 17.1). When fed over 24 days with leaf material conditioned in the presence
of a fungicide mixture at a sum concentration of 62.5 µg/L, G. fossarum produced
less faeces (i.e., FPOM, Zubrod, Englert, Wolfram, et al., 2015). This indicates an
enhanced assimilation of ingested food to compensate for a lower nutritional quality
of leaf material (see above) or investments in detoxification mechanisms necessary
to cope with dietary fungicide exposure. This compensatory measure was, however,
incomplete as gammarid growth (i.e., secondary production) was reduced by approx-
imately 40%. A similar response pattern was found for the isopod Asellus aquaticus
when exposed to an epoxiconazole concentration of 15 µg/L. Although effects were
not statistically significant, the fatty acid composition of asellids was meaningfully
affected (Feckler et al., 2016). The change in the fatty acid composition, particularly
the reduction in essential fatty acids, suggests important physiological implications
potentially interfering with reproduction and consequently with the contribution of
this detritivore to OMD. Another potential indirect pathway related to detritivorous
invertebrates, despite the lack of related studies, are fungicide-effects mediated via
detritivores gut microbiome. Wilson et al. (2014) showed that the prevalence of
symbiotic gut fungi of black flies is negatively associated with the flies’ fungicide
body burden and similar relationships might be observed in other (leaf-shredding)
invertebrates. Moreover, the consequences of fungicides being taken up by trees
for OM quality as well as species interactions during its decomposition in aquatic
systems is hardly assessed (pathway 3 in Fig. 17.1D). To the best of our knowledge
only Newton et al. (2018) addressed this question. They reported a higher palata-
bility of leaves for detritivores from fungicide treated trees after conditioning. This
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suggests that energy resources in leaves are easily accessible for OM-associated
microbes, ultimately increasing their growth in addition to leaf palatability for detri-
tivores. Further studies are required to elucidate the mechanistic basis of this finding
that largely contrasts with the studies above.

Besides indirect implications, detritivores may also suffer from direct effects of
fungicide exposure (pathway 4 in Fig. 17.1E). Apart from potential toxicity related
to dietary uptake (see above), waterborne toxicity was described in several studies.
For a comprehensive review on such effects on invertebrates (including taxa involved
in OMD) and the general scarcity of data on insects compared to crustaceans (see
Zubrod, Bundschuh, et al., 2019). Waterborne fungicide toxicity in detritivores was,
for instance, shown to affect energy processing and physiological fitness, potentially
translating to effects on the wider foodweb and ecosystem processes includingOMD
(see Fig. 17.1). Such effects can exacerbate in the presence of additional stressors
such as food scarcity (see e.g., for tebuconazole Zubrod et al., 2010). Two long-term
laboratory studies, using the fungicide mixture mentioned above or epoxiconazole,
indicate direct waterborne effects (pathway 4 in Fig. 17.1C) being generally more
relevant than the indirect food-quality related pathway (pathway 2 in Fig. 17.1C,
Feckler et al., 2016; Zubrod, Englert, Wolfram, et al., 2015). It must, however, be
noted that in natural systems both exposure pathways occur simultaneously, which
seems to result in most cases in additive effects. In conclusion, evidence from the
laboratory studies suggests that fungicide exposure can affect OMD via all described
pathways in the conceptual model (Fig. 17.1), although the direct effect pathways
are clearly dominating.

17.3.2 Antibiotics

Antibiotics are extensively applied for human and animal disease prophylaxis and
treatment (Bernhardt et al., 2017). Due to incomplete metabolization and degrada-
tion,many antibiotics are frequently detected in effluents and downstreamofwastew-
ater treatment plants as well as animal production facilities (Janecko et al., 2016).
Unlike other pollutants that enter aquatic systems seasonally, such as pesticides, the
year-round use of antibiotics results in their continuous release into freshwater envi-
ronments (Rosi-Marshall & Royer, 2012), where they have the potential to affect
non-target organisms and ecosystem functions (Daughton & Ternes, 1999). Studies
conducted at the laboratory (microcosm) scale revealed adverse effects of antibi-
otics onmicroorganisms (bacteria and fungi) and detritivorous invertebrates, causing
alterations in OMD via different pathways as highlighted by the conceptual model
in Fig. 17.1.

Antibiotics maymodify the interaction between bacteria and fungi (here in partic-
ular aquatic hyphomycetes) that colonize terrestrially-derived OM in streams and
cause direct effects on microbial OMD (pathway 1 in Fig. 17.1B). Additionally,
antibiotics can alter OMD through a cascade effect on detritivorous invertebrates
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(pathway 2 in Fig. 17.1C). Some evidence for effects on OM-associated micro-
bial communities has been reported by Maul et al. (2006). These authors showed
that exposure to the antibiotic ciprofloxacin (100 µg/L) shifted the composition and
functioning of the entire OM-associated microbial community (bacteria and fungi),
which was indicated by a reduced carbohydrate usage. The structural implications
observed by Maul et al. (2006) are in accordance with Bundschuh et al. (2009),
who studied the effects of an antibiotic mixture (clarithromycin, erythromycin-H2O,
roxithromycin, sulfa-methoxazole, and trimethoprim) on OM-associated microbes.
TheOM-associated fungal biomass (indicated by the proxymolecule ergosterol) was
increased by ~40% under antibiotic exposure. This may be explained by a modifi-
cation of the interaction between bacteria and fungi that reduced the competitive
pressure on the latter. As no differences in bacterial counts were found between the
control and antibiotic treatments (up to 200µg/L), a shift in the bacterial community
composition may be hypothesized as underlying mechanism. Despite these shifts in
resource usage and composition of microbes, no effects of antibiotics on microbial
OMD were observed (see Bundschuh et al., 2009; Hughes et al., 2016).

Besides direct antibiotic effects on OM-associated microorganisms (pathway 1 in
Fig. 17.1B), implications of antibiotics on OMD via the conjectured cascade effect
on higher trophic levels (pathway 2 in Fig. 17.1C) have been observed at the labora-
tory scale. Alterations at the microbial level could theoretically affect the quality of
OM as food for detritivorous invertebrates (Bärlocher 1985; Graça et al., 1993). Due
to the prime role of detritivores in OMD in temperate streams (Hieber & Gessner,
2002), the consequences of such cascade effects (pathway 2)—leading to an altered
OM consumption—are potentially significant. Bundschuh et al. (2009), for instance,
observed a food selection behaviour of G. fossarum when given the choice to feed on
OM (i.e., leaves) microbially colonized under control conditions or under exposure
to an antibiotic mixture, with higher consumption rates on the latter (but see Hahn
& Schulz, 2007). Given the role of fungi in the diet of detritivores (Suberkropp,
1992), it was suggested that this food selection behaviour was triggered by the
higher fungal biomass associated with antibiotic-exposed OM (see above). Further-
more, it was assumed that a shift in the fungal community towards species with a
higher palatability for detritivores may have contributed to the higher consumption
of antibiotic-treated OM (for examples of similar Cu-induced effects see Zubrod,
Feckler et al., 2015). The consumption of more palatable and more nutritious OM
should ultimately allow detritivores to grow faster (see for ciprofloxacin Konschak
et al., 2020). Accordingly, Bundschuh et al. (2017) found an increased growth of G.
fossarum at low (2µg/L) but not at high (200µg/L) levels (simultaneous dietary and
water exposure) of the same antibiotic mixture as applied in Bundschuh et al. (2009).
However, energetically costly detoxification mechanisms in gammarids under high
antibiotic exposure (Maltby, 1999) could not be compensated by an increased food
intake. The effects observed byBundschuh et al. (2009) for the low exposure scenario
(2 µg/L) seem beneficial for OMD through an increased secondary production of
detritivores. Over the long term, however, a lowered secondary production or curtail-
ment of life cycles of some detritivores with subsequent consequences for OMD
might be observed. This is due to a shortage of OM stocks and therefore food in
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affected stream sections (cf., Suberkropp et al., 2010), which ultimatelymay provoke
pervasive modifications on OMD dynamics given the key role of detritivores.

Additionally, antibiotics may cause indirect effects on the physiology of detri-
tivorous invertebrates by altering the gut microflora and its efficiency to assimilate
nutrients and energy from the ingested food. Such reduced efficiency may eventually
affect the growth and reproduction of detritivores and cause adverse effects on OMD
over the long term. Although this effect pathway has not been empirically tested yet,
it was put forward, for instance, by Bundschuh et al. (2017) as a potential mechanism.
The authors assumed that a negative impact on the gut microflora could explain the
lack of growth observed forG. fossarum exposed to an antibioticmixture at 200µg/L
(see above). This assumption is supported by a study of Gorokhova et al. (2015) that
revealed a lower diversity in the gut microflora of Daphnia magna associated with a
lower assimilation efficiency when exposed to one of the antibiotics (i.e., trimetho-
prim) assessed in the study by Bundschuh et al. (2017) at a similar concentration
(250 µg/L).

Finally, several studies (e.g., Konschak et al., 2020) indicate effects of antibiotics
on OMD by directly affecting detritivorous invertebrates (pathway 4, Fig. 17.1E).
However, effect concentrations (e.g., concentration at which the feeding rate of a
detritivores was reduced by 50% (EC50): 6.4 mg ciprofloxacin/L) are up to three
orders of magnitude above those measured in the environment (e.g., Gracia-Lor
et al., 2011). This discrepancy in reported effect concentrations and those measured
in the environment may, nevertheless, be biased by the low number of published
studies on direct antibiotic effects on detritivores influencing OMD, which calls for
further scrutiny. All in all, it is evident from literature that various effect pathways are
possible, while pathway 2 seems to be the most likely mechanism inducing changes
in OMD as a consequence of antibiotic exposure.

17.3.3 Insecticides

Insecticides, as chemicals used, for instance, in agriculture to control invertebrate
pests, regularly occur in surface waters at concentrations known to cause effects
in aquatic life (Stehle & Schulz, 2015a; Wolfram et al., 2018). They enter surface
waters via various routes, although, due to their physico-chemical properties and
use patterns, edge-of-field surface runoff seems to be most important (Dabrowski
& Schulz, 2003; Schulz, 2004). Insecticides occur at higher water concentrations
in smaller surface water bodies. These smaller water bodies depend, according to
the river continuum concept, at the same time on allochthonous input (Vannote
et al., 1980). Insecticides are also associated with sediments in larger water bodies
(Wolfram et al., 2019). In contrast to other pesticides, insecticides regularly occur
in surface waters for rather short time periods spanning a few hours up to a few
days (Stehle et al., 2013), which is sufficient to cause negative effects in aquatic
ecosystems due to their often fast uptake and presence at their site of action (Tang



390 M. Bundschuh et al.

& Siegfried, 1995). When following standard risk assessment procedures, insecti-
cides have by far the highest ecotoxicological potential among all pesticide types,
with aquatic invertebrates being the most sensitive group of organisms (Malaj et al.,
2014; Stehle et al., 2011; Stehle & Schulz, 2015b). Often the single most toxic insec-
ticide within a mixture drives entirely the predicted aquatic toxicity (Wolfram et al.,
2019). It is thus likely that effects on OMD are mediated via effects on detritivorous
invertebrates (pathway 4; Fig. 17.1E).

Direct mortality-driven insecticide effects on OMD have rarely been reported,
while sublethal responses prevail. A reduced survival of stonefly nymphs
(Pteronarcys dorsata) following aqueous-phase exposure to 96 µg/L imidacloprid,
together with a reduced invertebrate-mediated leaf mass loss at exposure levels
≥12 µg/L, were observed in laboratory microcosms, while no impact on microbial
decomposition was detectable even at 96 µg imidacloprid/L (Kreutzweiser et al.,
2008). Another laboratory study detected a sublethal reduction in leaf mass loss by
25% following 10-d exposure of Sericostoma vittatum (Trichoptera) larvae to 2µg/L
chlorantraniliprole (Rodrigues, Bordalo, et al., 2018). Chara-Serna and Richardson
(2018) found effects of a field-relevant nominal concentration of 0.3 µg/L chlor-
pyrifos on invertebrate communities in lab microcosms. Leaf mass loss was reduced
by more than 20%, presumably as a result of feeding inhibition. While mortality
was unaffected, a tendency for reduced invertebrate biomass was observed. A labo-
ratory study based on a 7-day feeding assay with Gammarus roeseli on black alder
leaves (Alnus glutinosa) found effects already at 5 ng/L lambda-cyhalothrin (Bund-
schuh, Gergs, et al., 2013). Another pyrethroid, esfenvalerate, led at 0.25 µg/L to
feeding inhibition of caddisfly larvae (Rodrigues et al., 2017). As another example
of a sublethal effect study, Feckler et al. (2012) used a G. fossarum 7-d feeding assay
to show a reduced feeding activity at 1 µg/L thiacloprid. Consequently, insecticide
exposure can indeed affect OMD negatively by interacting with key detritivores in
this ecosystem function (Fig. 17.1E).

All the studiesmentioned above looked at aqueous-phase exposure to insecticides,
although a food mediated pathway might have been present. Exposure via contami-
nated food is of importance for lipophilic pyrethroid insecticides that readily partition
to organic carbon and thus may adsorb to OM (Bundschuh, Zubrod et al., 2013;Maul
et al., 2008). Exposure of beech leaves for 3 h to 0.1 µg/L of the pyrethroid alpha-
cypermethrin reduced the shredding activity of invertebrates (Rasmussen, Monberg
et al., 2012). There are a number of studies which investigated the effects of contam-
inated leaves with systemic insecticides on aquatic OMD. A reduced leaf mass loss
was, for instance, observed in aquaria receiving imidacloprid-contaminated alder
leaves (Englert, Bakanov, et al., 2017) offered as food to the stonefly detritivore
Protonemura sp. (Lima Fernandes et al., 2019). Contaminated leaves have been
obtained through trunk injection of trees or soil drenching. Trunk injection with
azadirachtin (neem) to ash trees has been studied by Kreutzweiser et al. (2011), and
only a high concentration (6 times above the expected field level) led to effects on
microbial decomposition, while no effects on aquatic invertebrates were observed.
Similarly, only high concentrations of imidacloprid applied to ash trees led to
mortality of two detritivorous insects (P. dorsata and Tipula sp. [Diptera]) and to
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the impairment of OMD. However, no effects on microbial OMD were observed
(Kreutzweiser et al., 2007). The potential release of imidacloprid from senescent
leaves of trees treated via soil drenching about four months before leaf fall into the
water was studied by Englert, Bakanov, et al. (2017). The authors modelled, on the
basis of simplified assumptions, concentrations of up to 250 ng/L in stream water.
The exposure route via ingestion of such leaf material containing systemic insecti-
cides has only been studied rarely (Bundschuh et al., 2019). For the neonicotinoid
insecticide thiacloprid, Englert, Zubrod, et al. (2017) have shown, for instance, that
dietary exposure caused—relative to the control—similar reductions in gammarids’
leaf consumption (~35%) and lipid content (~20%) as observed for the waterborne
exposure pathway (30 and 22%). Englert et al. (2018) have, furthermore, documented
that leaching and UV irradiation reduces the load of imidacloprid in leaves and thus
also the negative effects on the feeding rate of G. fossarum.

The potential effects of insecticides on OMD should finally be considered in a
wider ecological and environmental context. Organisms exposed to insecticides may
have to also face other stressors. Zubrod, Englert et al. (2017) have detected a 2.5-
fold increased impairment of the 7-d feeding rate of G. fossarum by thiacloprid,
when the animals were pre-exposed to wastewater for up to six weeks. Feeding
rates of amphipods can be indicative for impacts on the population level (Baird et al.,
2007;Maltby et al., 2002), ultimately affecting their contribution toOMD.Moreover,
impacts on detritivore-mediated OMD caused by insecticides can be transient and
thus potentially leading to an underestimation of negative impacts in more complex
(semi-) field conditions (Agatz et al., 2014; Zubrod, Bundschuh et al., 2017).

17.3.4 Metals

Metal pollution in surface waters can originate from various anthropogenic activities
such as agriculture, industrial production, and mining (Hogsden & Harding, 2012).
Within surface waters, sediments often act as (temporal) sinks formetals, fromwhich
they can be dissolved and become biologically available (Chapman et al., 1998).
Once they are bioavailable, metals can affect the structural and functional properties
of aquatic ecosystems, despite their partly essential nature (Rainbow, 1993). Conse-
quently, metals [including cadmium (Cd), copper (Cu), silver (Ag), uranium (U),
and zinc (Zn)] have been shown to adversely affect OMD at the laboratory scale
via pathways 1 (direct effects on microorganisms), 2 (cascade effect on detritivorous
invertebrates), and 4 (direct effects on detritivorous invertebrates) of the theoretical
model (Fig. 17.1B–E). Metal identity and therefore MoAmay be important modera-
tors of metal toxicity, as metals may act on different contributors in the OMD process
(Fig. 17.1A). A meta-analysis by Ferreira et al. (2016) showed that observed effects
were stronger in laboratory than in field studies (see a more detailed discussion in
“Evidences fromfieldwork”). This difference in effectmagnitudes is likely explained
by the better control of confounding variables in the former, antagonistic interactions
betweenmetals and other environmental variables in the latter, or differences inmetal
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identity/speciation and concentration among studies. However, despite this discrep-
ancy in the effect strengths observed in laboratory and field studies, results gained by
laboratory studies can still be seen as a valuable tool for a mechanistic understanding
of metal effects on OMD.

Metals with a biocidal (general antimicrobial) MoA, such as Cu (Flemming &
Trevors, 1989) and Ag (Silver, 2003) should (theoretically) cause stronger direct
effects on bacteria and fungi and lead to structural changes, with conceivable subse-
quent effects on microbial OMD (pathway 1; Fig. 17.1). Accordingly, a multitude of
studies (e.g., Azevedo et al., 2007; Duarte et al., 2008, 2009; Guimaraes-Soares et al.,
2007; Zubrod, Feckler et al., 2015) reported structural and functional effects for OM-
associated microbes caused by Cu exposure. A common observation (e.g., Duarte
et al., 2008, 2009) is a strong adverse Cu effect on the abundance of OM-associated
bacteria. The reduced number of bacteria likely reduces the competitive pressure
for sympatric fungi (Mille-Lindblom & Tranvik, 2003), resulting in higher fungal
biomass, species richness, and partially their reproduction (indicated by an increased
number of released spores; see below). As fungi are assumed to be the main drivers
for microbial OMD (Hieber & Gessner, 2002), the competitive advantage of fungi
under Cu exposure, together with changes in fungal (trait) composition and biomass,
may explain the mostly increased OMD rates compared to control treatments (e.g.,
Zubrod, Feckler et al., 2015). On the contrary, Ag was found to reduce microbial
OMD at comparatively low concentrations (~100 µg/L, Funck et al., 2013), likely
explained by a reduced fungal biomass and altered community composition (bacteria
were not assessed). Finally, Zn can reduce microbial OMD at concentrations as low
as 32.7 µg/L (Duarte et al., 2004), probably due to negative effects on the structure
and OMD activity of aquatic fungi (e.g., Duarte et al., 2004, 2008, 2009; Fernandes
et al., 2009; Medeiros et al., 2010).

As described above for fungicides and antibiotics, shifts in the OM-associated
microbial community that trigger changes in the palatability and resource quality of
OM may be seen as an underlying mechanism for a cascade effect on detritivores’
feeding activity and consequently OMD (pathway 2; Fig. 17.1). For Cu-exposedOM,
for instance, increased fungal biomasses (e.g., Zubrod, Feckler et al., 2015) alongside
fungal community shifts towards species with a higher palatability for detritivores
(Zubrod, Englert, Rosenfeldt et al., 2015) have been observed compared to OM from
control treatments, suggesting an increase in food quality (see for instance Arsuffi
& Suberkropp, 1989; Bärlocher & Kendrick, 1975; Rong et al., 1995; Suberkropp,
1992). Indeed, OM palatability was positively affected by Cu-exposure and resulted
in a higher consumption on Cu-exposed OM by G. fossarum compared to control
OM (Zubrod, Feckler et al., 2015). The higher consumption of Cu-exposed OMmay
have been caused by the positive Cu effect on the OM-associated fungal biomass
and the ability of detritivores to discriminate between the palatability of different
fungal species. Irrespective of the underlying mechanism, the food-choice response
ofGammarus indicates an altered food quality and/or palatability ofCu-exposedOM.
A long-termconsumption of leaves conditioned in presence ofCu, however,mayhave
negative consequences for growth and energy reserves of detritivores driven by the
dietary exposure towards Cu (Zubrod, Englert, Rosenfeldt et al., 2015). Moreover,
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and as discussed above for antibiotic-induced changes in the OM palatability, a
lowered secondary production or curtailment of life cycles of some detritivores with
subsequent consequences for OMD might be observed over the long term because
of a shortage of OM stocks and therefore food in stream sections affected by Cu-
contamination.

Finally, direct metal effects on detritivorous invertebrates have been shown to
reduce OMD (pathway 4; Fig. 17.1E). Cd and U, for instance, caused strong direct
effects on the feeding activity, growth, andmortality of detritivores,withmetal uptake
through feeding on contaminated OM (Abel &Bärlocher, 1988; Campos et al., 2014;
Gonçalves et al., 2011), over the water phase (e.g., Abel & Bärlocher, 1988; Pestana
et al., 2007), andwhen exposed to sediment-associatedmetals (Zubrod, Englert, et al.,
2019). On the contrary, only weak Cd and U effects on the structure and functioning
of OM-associated microbial communities were found at comparatively high concen-
trations (i.e., 3.6–4.5 mg Cd/L and 27.8 µg U/L, Batista et al., 2012; Gonçalves
et al., 2011; Moreirinha et al., 2011). This indicates that adverse effects of Cd and
U on OMD mainly stem from a direct impact on detritivores, whereas effects on
microbial decomposers and subsequent indirect effects on detritivores may be of
minor importance (pathway 2, Fig. 17.1C). Furthermore, despite its strong biocidal
MoA and being an essential metal for invertebrates (Rainbow, 1993), direct effects
on detritivores are documented for Cu that reduced OMD. Zubrod, Englert, et al.
(2019), for instance, showed that Cu which resorbed from Cu-contaminated sedi-
ments (150–650 mg Cu/kg), negatively affected the feeding activity and survival
of three sediment-associated detritivores, namely A. aquaticus, G. fossarum, and
Hyalella azteca. Likewise, Zubrod et al. (2014) found 20%decreased feeding rates of
G. fossarum already at Cuwater concentrations between ~35 and 85µg/L, depending
on the applied Cu salt that might have influenced the metal speciation in the medium.
In accordance, Rosenfeldt et al. (2015) observed a high mortality as well as signifi-
cantly decreased feeding activity of and excretion by G. fossarum at an environmen-
tally relevant concentration of 40 µg Cu/L. In conclusion, results from laboratory
studies at the microcosm scale suggest that metal exposure can affect OMD via three
pathways set out in the conceptual model (Fig. 17.1), however, effects on the different
OMD-contributors and respective pathways are partially dependent onmetal identity.

17.4 Evidence for Cascade Effects from Field
and Mesocosm Studies

In this chapter, we review to which extent the effect pathways (Fig. 17.1) iden-
tified for different toxicant groups under laboratory conditions match patterns in
freshwater ecosystems. We consider field studies or those performed in controlled
outdoor experimental systemswithmultiple organism groups (hereafter calledmeso-
cosms). However, studies in these systems typically provide an aggregate of direct
and indirect effects of toxicants, which does not allow to distinguish between either
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pathways. Moreover, the identification of cascade effects is complicated by the fact
that additional stressorsmaymask relationships between toxicant concentrations and
ecological responses that have been identified under controlled conditions. Notwith-
standing, (semi-)field studies represent a reality check for studies that simplify the
environmental context for the sake of establishing causal relationships (Schindler,
1998).

Laboratory studies on fungicides (see previous section) showed that they can affect
microbial communities and subsequently microbial OMD (pathway 1). A fraction of
these studies demonstrated direct effects on detritivores (pathway 4) but also indirect
effects resulting from changes in microbial communities (pathway 2) at environmen-
tally relevant concentrations. In cases where detritivore-driven OMD responded,
not only reductions but also increases were found, for example, in response to a
higher energy-demand due to detoxification processes. Several field and mesocosm
studies confirm that pathway 1 occurs in natural environments. Specifically, meso-
cosm studies (e.g., Artigas et al., 2012; Cuppen et al., 2000; Dimitrov et al., 2014;
Rossi et al., 2018) and field studies (Fernandez et al., 2015; Rasmussen, Wiberg-
Larsen et al., 2012) showed a reduction in microbial OMD, typically associated with
a microbial community change and a decrease in fungal biomass. With respect to
pathway 4, several mesocosm studies provide evidence for the effects of fungicides
on invertebrates communities (Cuppen et al., 2000; Daam & Van den Brink, 2010;
Halstead et al., 2014; van Wijngaarden et al., 2010, 2014), though at concentrations
of 10 s to 100 s µg/L, whereas field concentrations are typically in the lower µg/L
range (Schäfer, von der Ohe, et al., 2012). Furthermore, the concentration levels for
effects on invertebrates are for most fungicides higher than for fungi and microor-
ganisms (Zubrod, Bundschuh et al., 2019), suggesting that if pathway 4 occurs, it
co-occurs with pathway 1, and that pathway 2 is less relevant. We are not aware
of a mesocosm or field study where fungicides exclusively affected invertebrates
and the detritivore-mediated OMD. A study in French streams found a decrease
in detritivore-driven OMD, while microbial OMD was not affected (Brosed et al.,
2016). However, fungicides likely played a minor role and co-occurring insecti-
cides and herbicides were the main drivers of pesticide effects. Similarly, a meso-
cosm study with additional pesticides beside fungicides found exclusive effects on
detritivore-OMD, but this is very likely due to insecticides (Auber et al., 2011). Field
studies where fungicides played a major role for microbial and invertebrate toxi-
city rather found exclusive effects on microbial OMD (Rasmussen, Wiberg-Larsen
et al., 2012; Fernandez et al., 2015) or effects on both microbial and detritivore
OMD (Schäfer, Bundschuh, et al., 2012). Moreover, several mesocosm studies only
measured total OMD and found a decrease in response to fungicides (Cuppen et al.,
2000; Daam & Van den Brink, 2010; Halstead et al., 2014) or mixtures including
fungicides, associated with effects on invertebrate and fungal communities, if moni-
tored. Overall, this suggests that several current-use fungicides likely affect fungal
communities and microbial OMD (pathway 1), and in some cases invertebrates and
detritivore-driven OMD (combination of pathway 1 and 4). Moreover, the effects
are concentration-dependent and this will determine whether any effects occur. A
few mesocosm studies found no or negligible effects of suggested environmentally



17 How Toxicants Influence Organic Matter Decomposition in Streams 395

realistic fungicide concentrations on fungal communities and related OMD (Arts
et al., 2006; Lin et al., 2012; Talk et al., 2016). However, in the study by Talk et al.
(2016) this was attributed to nutrients increasing the tolerance of fungi towards fungi-
cides. Similarly, a field study in agricultural, urban and forest catchments in France
suggested that despite effects on fungal biomass the higher microbial decomposition
was due to nutrients masking potential toxicant effects (Rossi et al., 2019). This
hypothesis of compensation by nutrients of fungicide effects on microorganisms
was not supported in an outdoor mesocosm study with detritivores and microbial
communities on leaves, where changes in the community composition in response to
fungicides and nutrients were observed but did not translate to implications in OMD
(Fernandez et al., 2016). Thus, the prediction of specific effect pathways in the field
is complicated by additional stressors and the environmental context.

For antibiotics, typically a higher fungal biomass and contrasting effects on detri-
tivores are found in laboratory systems. This suggests a negative direct effect on
bacteria leading to a positive indirect effect on fungi and in turn detritivores, although
the latter may be compromised by direct negative effects on detritivores. Moreover,
changes in the OMD rates were typically minor. Antibiotics have been widely found
in field monitoring studies and typically originate from treated or untreated wastew-
ater discharge, effluents from antibiotic manufacturing as well as the use of animal
manure (Janecko et al., 2016). These input sources are typically associated with
additional stressors such as other pharmaceuticals, pesticides and excessive nutri-
ents, which hamper the attribution of effects to antibiotics. For example, a field study
comparing agricultural, forested and urban stream sites, with the highest pharmaceu-
tical concentrations in the urban sites, found a similar microbial OMD rate between
the forested and urban sites, but the fungal biomass was reduced, contrasting with
the cascade effect from laboratory studies (Rossi et al., 2019). Several further studies
focused on the influence of wastewater treatment plants on microbial communities,
invertebrate communities and OMD (e.g., Ashauer, 2016; Chonova et al., 2016;
Englert et al., 2013; Peschke et al., 2019). The abovementioned co-occurrence of
stressors and the associated complexity of biotic and abiotic interactions compli-
cates the comparison of the results from such field studies to those for antibiotics
under controlled laboratory conditions. A field study found a reduction of microbial
growth and respiration following exposure to a pharmaceutical mixture including
antibiotics (Rosi-Marshall et al., 2013). In a tropical mesocosm study, OMD and
invertebrate communities were similar between control treatments and those treated
with an antibiotic at environmentally relevant concentrations, though the density of
certain bacterial groups declined (Rico et al., 2014). Overall, the fact that antibiotics
rarely occur in isolation suggests that the cascade effects observed under laboratory
conditions are more relevant for mechanistic insight than for prediction of effects in
the natural environment. In the field, potential effects may be masked by the action
of associated stressors, though a change in bacterial communities can be expected.

For insecticides mainly effect pathway 4 occurs, i.e., an effect on invertebrates
resulting in changes in the OMD was detected in laboratory studies. This is in line
with results from field and mesocosm studies. Generally, several field studies have
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demonstrated effects on invertebrates, with typical shifts in community composi-
tion from sensitive to tolerant taxa (overviews in Schäfer, 2019; Schulz, 2004). This
includes, for example, effects on important detritivore taxa such as amphipods, which
were strongly reduced in 22 Argentinian streams (Hunt et al., 2017). It is therefore
very likely that the laboratory results translate to the field, although only few studies
examined the potential response of ecosystem functioning including OMD. A field
study in 19 streams located in rural Germany found a reduced leaf decomposition
rate and changes in the invertebrate community (Munze et al., 2015). Two further
field studies in Australia and France also found a reduced OMD with an increase
in pesticide toxicity, mainly driven by insecticides (Schäfer, Caquet et al., 2007,
Schäfer, Bundschuh et al., 2012). The relationship between pesticide toxicity and
OMD was remarkably similar in both studies, despite completely different detriti-
vore communities in Australia and France (Schäfer, von der Ohe, et al., 2012). For
example, crustaceans play a major role in OMD in France, but are largely irrelevant
in Australia. Only one study, where Gammarus pulex was the dominant detritivore,
found no effect of pesticide toxicity, mainly driven by a carbamate insecticide and
a strobilurine fungicide, on OMD in 14 Danish streams. However, the abundance of
the dominant detritivore was also not associated with pesticide toxicity (Rasmussen,
Wiberg-Larsen et al., 2012).

Several mesocosm studies show that insecticides at environmentally realistic
concentrations affect invertebrate communities and reduce detritivore-driven OMD.
A realistic spray series including insecticides reduced OMD, most likely due to a
reduction in crustacean detritivores (Auber et al., 2011). Another study byRodrigues,
Machado et al. (2018) suggested that the introduction of native crayfish increased
the negative effect that chlorantraniliprole had on OMD by detritivores. Imidaclo-
prid exposure at 18µg/L,which represents the upper end of environmentally-relevant
concentrations in a global meta-analysis (Morrissey et al., 2015), reduced detritivore-
driven OMD, whereas microbial OMD was not affected (Pestana et al., 2009). This
effect was confirmed in an associated bioassay with a stonefly detritivore. However,
the approximately 10-fold lower concentration in the same study and in another study
(Chara-Serna et al., 2019) had only negligible or no effect on OMD. Similarly, short
pulses of this substance hadno effect onOMDin a streammesocosmstudywith caged
crustacean detritivores (Böttger et al., 2013). In a study where several macroinverte-
brate species have been exposed to 10.65 ng/L of the pyrethroid lambda-cyhalothrin
for 90 min with a subsequent assessment in outdoor stream channels over 10 days,
a reduced OMD was observed (Rasmussen et al., 2008). Similarly, the pyrethroid
etofenprox reduced the in situ measured feeding rate of A. aquaticus on alder leaves
in outdoor stream mesocosms at levels of 0.04 µg/L (6-h pulse) and thus at concen-
trations below those detectable in the field (Wieczorek et al., 2018). By contrast,
concentrations of approximately 1 µg/L of the pyrethroid deltamethrin affected the
macroinvertebrate community, while the detritivore-mediated OMD increased by up
to 55%. This is potentially due to the release of non-insect detritivores from compe-
tition with insects and an increased energy demand (Caquet et al., 2007). Similarly,
exposure to the insecticide malathion increased OMD, either through reduced preda-
tion or increased energy demand associated with detoxification in stream mesocosm
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communities (Bray et al., 2019). No effects on OMD were found in mesocosms
exposed to a potato spraying regime (Arts et al., 2006). However, only coarse mesh
bags were used and it was thus not possible to account for microbial decay and to
draw conclusions for detritivore-driven OMD. Furthermore, the assessment of OMD
took place during weeks without insecticide application (i.e., 4.8 and 120 ng/L of
lambda-cyhalothrin, a pyrethroid which degrades fast [DT50 < 2 days]), suggesting
that potential effects of the spraying regime on OMD were missed.

Overall, these examples suggest that the effect pathway 4 is widely occurring
and relevant for insecticides. In a broader context, alpha diversity increases at higher
latitudes (Boyero et al., 2012) andmany cool adapted taxa are detritivores. Temperate
environments are more important for detritivores due to lower temperatures and
higher availability of high-quality leaf litter (Boyero et al., 2011). It is thus likely that
detritivores in temperate environments, which are largely characterized by extensive
agricultural production, are at a wide scale impaired functionally by insecticides as
non-target organisms. The effects may not be restricted to aquatic systems, because
aquatic-terrestrial coupling through organic matter cycling (Kayler et al., 2019) may
also be impacted by pesticides. This has potential far-reaching effects on adjacent
riparian ecosystems (Schulz et al., 2015) as also suggested by first field studies (Graf
et al., 2019).

The effects of metal contamination on OMD have been frequently studied in both
field and mesocosm studies. The laboratory studies (see chapter “Effect pathways
induced by toxicants with different target organisms - metals”) identified three main
effect paths: (1) Stronger effect on detritivores than microorganisms (e.g., for U and
Cd), with potential indirect effects on microorganisms and reduction in detritivore
OMD (pathway 4, Fig. 17.1E), (2) Up to a certain concentration a stronger effect on
bacteria than on fungi and detritivores, where the release of fungi from competition
results in higher microbial OMD (e.g., for Cu; pathway 1, Fig. 17.1B). At higher
concentrations, invertebrate density and detritivore OMD is reduced (pathway 4,
Fig. 17.1E). (3) Stronger effect on microorganisms, resulting in a decrease in micro-
bial OMD (e.g., for Zn and Ag; pathway 1, Fig. 17.1B). A recent meta-analysis has
compared the effects of metal contamination on OMD under laboratory and field
conditions (Ferreira et al., 2016). The analysis found a stronger effect on total OMD
than on microbial OMD, suggesting a lower effect on microbial communities and
functional resistance of microorganisms. Generally, the effects were strongest for a
mixture of Cu and Zn and higher in laboratory than field studies, suggesting that
interactions under real world conditions buffer the effects from metals. However,
field studies on metals often deal with mixtures of metals and elevated metal concen-
trations are often associated with mining, which frequently results in a decreased
pH (Niyogi et al., 2001). This complicates the establishment of clear relationships.
Notwithstanding, several field andmesocosm studies found stronger effects on inver-
tebrates than on microorganisms for Zn, which contrasts the data available from
laboratory studies. In streams affected by mine drainage, invertebrate densities and
total OMD responded stronger to Zn concentrations and the pH-driven precipitation
of metal oxides than microbial communities, where the response was likely masked
by nutrients (Niyogi et al., 2001). A study in an industrial area of Germany showed
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that microbial OMD still works at extreme concentrations of Zn and Cu where inver-
tebrates have largely been extirpated (Sridhar et al., 2001), although at a slower
rate. Furthermore, the impact of elevated Zn concentrations in five streams in the
US found a decrease in detritivores, microbial activity and total OMD (Carlisle &
Clements, 2005). Several studies examined the effects of Cu, where up to a certain
concentration microbial OMD increased in the laboratory. A mesocosm study found
a reduction of invertebrate densities and, presumably as a consequence, of total OMD
for higher copper treatments.At the same time, leaf-associated fungal biomass, sporu-
lation rates and microbial community composition were similar between treatments
(Roussel et al., 2008). Another mesocosm study found only negligible differences
between control and different Cu treatments on total OMD (Gardham et al., 2015).
In a creek in the US, increasing Cu concentrations lead to a reduction in detritivorous
invertebrates and total OMD (Schultheis et al., 1997), although this study does not
necessarily contradict the laboratory findings as microbial OMD was not assessed.
Similarly, total OMD and invertebrate abundance decreased with Pb concentrations
in a study in a lake (Oguma & Klerks, 2015), but microbial OMD was not consid-
ered. Overall, the evidence from field and mesocosm studies suggests that direct
effects of metals on invertebrates that in turn reduce OMD are more widespread
than cases where microbial communities are stronger affected than detritivores. This
may be explained by shorter recovery and adaptation times of microbial compared
to invertebrate communities (Dahl & Blanck, 1996).

17.5 Conclusions and Perspectives

The information gathered in this chapter highlights that several of the effect pathways
detailed in Fig. 17.1 can be considered relevant under field conditions, which often
involve more complex exposure regimes to toxicants, further environmental factors
(e.g., nutrients), and biological interactions that interfere with the stress response in
(eco)systems. More specifically, effect pathways 1 and 4 likely play a considerable
role in the field for fungicides and insecticides, respectively. Pathway 2, in contrast,
is difficult to disentangle in complex systems but could contribute to the observed
effects in natural ecosystems. Toxicant-induced modifications in plants (pathway 3)
and the ultimate consequences for OMD and heterotrophic food webs has hardly
been considered but could be relevant. Pathway 3 may be particularly relevant either
in anthropogenically dominated landscapes where riparian trees may accumulate
toxicants or in cases where senescent leaves falling from pesticide-treated decid-
uous trees enter adjacent water bodies (e.g., orchards). In the following, we suggest
various research topics against the background of this chapter that would broaden
our understanding of toxicant-induced effects on OMD.

Generally, research gaps exist with respect to better understand and predict
effects in real-world ecosystems. Intelligent study designs that link microcosm and
field experiments over different relevant gradients of environmental conditions are
required to enhance our capacity to predict changes in community composition and
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related changes in functioning. In this context, microbial and invertebrate OMD also
represents an interesting study system to test predictions from ecological theories
related to food webs and community assembly. For example, biotic interactions and
dispersal could be modified to study their role in community assembly in the context
of toxicant effects.

A fundamental uncertainty related to the research on the impact of toxicants on
OMD is the question of the transferability of results obtained either in the laboratory
or under (semi)field conditions to field conditions. Are the results obtained with one
substrate (e.g., alder leaves) representative for effects observed for another substrate
(e.g., different leaf species, wood, carcass)? In the case of black alder leaves this
may be questioned as this substrate contains high levels of nitrogen that could buffer
the negative effects induced by toxicants. Studies suggest that detritivores react in
a similar manner on the physiological level (Feckler et al., 2016; Konschak et al.,
2019; Zubrod, Englert, Rosenfeldt et al., 2015; Zubrod, Englert, Wolfram et al.,
2015) to fungicide-induced changes in OM quality or waterborne exposure. Further
evidence is needed to scrutinise the idea of uniformity in response. Additionally, OM-
associated microbial communities and their ability to decompose OM varies among
sites within and across biogeographic regions (Tiegs et al., 2019), which may influ-
ence their susceptibility to toxicants. The only available study suggests that microbial
communities along a latitudinal gradient across Europe react in a comparablemanner
when exposed to fungicides over three colonisation-decomposition cycles (Schreiner
et al., 2018). Nonetheless, the study was carried out in microcosms with a limited
species number and without potential for recolonization from undisturbed stream
sections. Therefore, further collaborative studies within and across biogeographic
regions are required to provide more robust conclusions.

OM-associatedmicrobial communities may adapt to toxicant exposure (Schreiner
et al., 2018), which results in a higher tolerance after several seasons (Feckler et al.,
2018). This adaptation follows the Pollution-Induced Community Tolerance (PICT)
concept (Blanck et al., 1988). The PICT concept has mainly been used for phyto-
plankton and periphyton communities and only sporadically in the context of OMD
(Feckler et al., 2018). This discrepancy may be explained by the difficulties to char-
acterise OM-associated microbial communities (particularly the fungal component)
regarding both species diversity and the respective species’ quantitative contribution
to community composition but also functioning. Recent developments in molecular
biology can close this gap but still need further development; whereas metabar-
coding can inform on community composition (Pawlowski et al., 2018), quantita-
tive real time PCR analyses can provide biomass estimates of individual species or
groups of species (Baudy et al., 2019) and ultimately support the testing for PICT
and understanding the underlying mechanisms. Besides the challenges related to the
assessment of communities, we lack knowledge on the traits of individual species
or groups of species, in particular for microorganisms, but also detritivorous inver-
tebrates (e.g., leaf preferences, processing rates). Consequently, changes in OMD
resulting from toxicant-induced alterations in community composition can hardly be
predicted. Hence, developing and maintaining a trait (enzyme inventory, sensitivity,
nutritious quality) database for OM-associated microorganisms should be one of the
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top priorities of the scientific community to foster the linking of communities with
functioning.

Studies assessing the impact of toxicants on plants and the consequences forOMD
are largely lacking. The only study we are aware of, highlights that fungicides could
improve OM quality, which may be beneficial for detritivores and their population
development (Newton et al., 2018) finally increasing OMD. As a consequence of the
exploratory nature of this work, the mechanisms leading to these results are unclear.
It is, for instance, proposed that fungicides reduced the pressure by fungal diseases,
which may have made energy (carbohydrates) available for storage in leaves. These
energy resources may have allowed the OM-associated microbial community to
increase its performance and ultimately support detritivore growth. Similarly, fungi-
cides may have changed the activity of soil microbial communities that support plant
performances and increase OM quality. Overall, further studies on this issue are
required, in particular because some fungicides are systemic and may accumulate in
relevant concentrations in plant material (Zubrod, Bundschuh et al., 2019).

Finally, the gutmicrobiome is still a black box inmany organisms and in particular
for invertebrates (Adamovsky et al., 2018). Changes in the food quality may require
some (costly) adaptations in the gut microbiome, with consequences for detritivore
growth and reproduction (pathway 2). Similarly, antimicrobial substances such as
fungicides, antibiotics, and some metals can potentially change the composition of
the gut microbiome with implications for detritivore nutrition (Gorokhova et al.,
2015). Consequently, understanding how structural changes in the gut microbiome
link to functional changes (e.g., enzyme activity) and ultimately the physiological
condition of detritivores is certainly an important step to understand the mechanism
by which toxicants affect OMD in a larger context.

It is evident from this review, that our understanding on how toxicants can affect
OMD has developed in the last decades meaningfully. At the same time, these devel-
opments have informed the scientific community about gaps in various aspects of
this research field that need to be addressed to further improve understanding and
prediction power.
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Chapter 18
Effects of Engineered Nanoparticles
on Plant Litter Decomposition in Streams

Ahmed Tlili

Abstract Engineered nanoparticles (ENPs) are the basis of novel and most
promising technologies of the twenty-first century, and their production and use
in commercial products is exponentially growing. Consequently, freshwater ecosys-
tems will increasingly be recipients for these nanomaterials, which comes at a poten-
tial environmental risk when sensitive organisms assume important functions. This
chapter describes the current knowledge on ENP effects on plant litter decomposi-
tion, an important process in streams. The main focus is on microbial decomposer
communities, with both their structure and functions being affected upon ENP expo-
sure. The consequences on detritus-based food-webs are also discussed in the light
of evidence from published literature and a case study, showing that both waterborne
and dietary exposures to ENPs are important pathways. Particular attention is given
to the multifaceted nature and complexity of the environmental behaviour of ENPs
and the significant risks they pose to freshwater ecosystems. Finally, several knowl-
edge gaps are highlighted throughout the chapter and suggestions for future research
directions are provided.

18.1 Engineered Nanoparticles: Benefits, Uncertainties
and Inherent Risks

As the introduction rate of novel chemicals in the markets grows, emerging contam-
inants play an increasingly important role as potential environmental stressors and
cause of adverse effects (Gavrilescu et al., 2015). Emerging contaminants are defined
as chemicals that currently lack regulations for environmental monitoring. Among
these chemicals, engineered nanoparticles (ENPs), defined as manufactured parti-
cles smaller than 100 nm, have received particular attention in recent years. Because
their unique physicochemical properties have prompted growing economic interest,
hundreds of commercial products are on themarket already, and prospects for further
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expansion are bright. ENPs are added to a variety of consumer products, from
composite materials in electronic devices and computer storage units, to pharma-
ceuticals, personal care products, food additives, clothes, facade paints and many
other applications.

The attractiveness of ENPs, compared to micro- and macro-sized particles of
the same material, stems from specific effects at the nanoscale that result from the
increased surface to volume ratio (increased chemical reactivity) and the dominance
of physical quantum effects, influencing properties like transparency and conduc-
tivity. From an economic and material science perspective, application of nanotech-
nology offers staggering potential and advantages. However, similarly to other poten-
tially good and innovative new technologies, the knowledge about the release ofENPs
into the environment, their fate, behaviour, and subsequent impacts on human health
and the environment is critical for the development and success of this industry.

Given the lack of well-organized data, mainly due to the absence of regulations
for ENP declaration in the products, it is difficult to estimate environmental release
(Holden et al., 2014). Detection and quantification of ENPs in natural environments
is also challenging, partly because analytical techniques that allow differentiation of
ENPs from natural colloids in complex environmental matrices are very scarce (Laux
et al., 2018;Wagner et al., 2014). This is particularly true for organic andmetal-based
ENPs that contain abundant elements in the earth’s crust (Hassellov et al., 2008; von
der Kammer et al., 2012). Alternatively, mathematical models are used to estimate
predicted environmental concentrations (PEC) of ENPs. For example, Gottschalk
et al. (2009) used a probabilistic material flow analysis from a life-cycle perspective
of ENP-containing products to predict concentrations of ENPs in surface waters
for nanosized silver (nanoAg), zinc oxide (nanoZnO), titanium dioxide (nanoTiO2)
and cerium dioxide (nanoCeO2). Estimates indicated that except for nanoTiO2 with
concentrations of up to about 50 μg L−1, PECs for all other ENPs barely reach one
μg L−1.

Despite the importance of mathematical models to provide rough exposure esti-
mates, their output must be considered with care due to the lack of empirical data
for validation (Gottschalk et al., 2010, 2013). This notwithstanding, the estimated
PECs suggest that ENPs, when considered individually, do not pose an acute risk to
aquatic ecosystems at present. However, with markets for ENPs growing, average
environmental concentrations estimated todaywill soon have to be adjusted upwards.
Consequently, water bodies receivingwastewater treatment plant effluents or directly
discharged wastewater during heavy rain events, might even experience loads and
concentrations well above the currently estimated averages. What is more, consider-
able risks due to chronic exposure to even low levels of ENPs over extended periods
cannot be excluded, as would be typical in field situations.

In addition to exposure information, monitoring of ecotoxicological effects is an
important aspect when evaluating the risks that ENPs pose to natural environments.
Assessing such impacts largely relied on assays in simplified laboratory settings at the
single-species level. Yet, it became increasingly recognised that to draw conclusions
on potential impacts under relevant environmental conditions, it is essential also to
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consider more intricate levels of ecological organisation, and to include effects on
ecosystem structure and processes (Bundschuh et al., 2016; Gessner & Tlili, 2016).

18.2 ENP Effects on Microbial Decomposers and Leaf
Litter Decomposition

Fresh waters are a critical environmental compartment to consider when assessing
potential impacts of ENPs, because they are downstream collectors and integrators of
processes within their catchments. This includes various types of industry, wastew-
ater treatment plants and other processes related to human activities. Consequently,
freshwaters are prime candidates for exposure to ENPs, especially if notable amounts
are released fromwastewater treatment plants.Most profound effects of ENPswithin
ecosystems are to be expectedwhenhighly sensitive organisms that assume important
ecological functions are being negatively affected. Heterotrophic microbial commu-
nities play key roles in fresh waters by colonizing and enzymatically decomposing
plant litter derived from terrestrial vegetation, a key resource in forest streams and
other shallow aquatic ecosystems (Gessner et al., 1999). This litter-decomposition
system is dominated by a group of fungi known as aquatic hyphomycetes (Bärlocher,
2009; Gessner & Chauvet, 1994). They interact strongly with litter-colonizing
bacteria and litter-consuming invertebrates and produce substantial amounts of
biomass that is subsequently channelled to higher trophic levels in the food web,
including fish (Jabiol et al., 2013). This ecological importance in ecosystem func-
tioning and the high microbial diversity comprising contrasting life-styles (e.g., fila-
mentous fungi and single-celled bacteria) (Gessner et al., 2010) and sensitivities to
contaminants (Pascoal & Cassio, 2004) suggests that the microbes associated with
decomposing leaf litter in fresh waters are a suitable model to assess ENP effects
on complex ecological systems (Bundschuh et al., 2016; Pascoal et al., 2003). If
ENPs affect these fungal and bacterial decomposers, or their trophic interactions
with detritivores, then profound consequences ensue for food-web configuration,
litter decomposition, and overall energy flow in freshwater ecosystems (Fig. 18.1).

18.2.1 Acute Versus Chronic Exposure to ENPs and Ensuing
Effects on Microbial Decomposers

Twomajor approaches, with various exposure scenarios and endpoints, are applied to
examine ENP effects: (i) acute functional responses via short-term inhibition assays
and (ii) effects on microbial diversity and community composition or changes in
litter decomposition rates and nutrient composition upon chronic exposures.Multiple
studies focussing on acute toxicity of ENPs to single aquatic bacterial and fungal
species show that toxic concentrations vary depending on the species and endpoint
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Fig. 18.1 Potential exposure pathways to ENPs in aquatic detrital food-webs via (1) direct sorption
of the particles to plant material and associated microbial-decomposers, (2) dietary uptake via
contaminated food as well as (3) direct waterborne exposure of invertebrate shredders, and (4)
trophic transfer to higher trophic levels in the food-chain, leading to adverse effects

used (Fabrega et al., 2009; Kim et al., 2008; Pradhan, Seena et al., 2015; Seena &
Kumar, 2019; Sondi & Salopek-Sondi, 2004). Nevertheless, such information on
single organism studies cannot easily inform about what is occurring in a commu-
nity because they do not account for species interactions. Thus, knowledge of ENP
concentration levels that cause acute toxicity at the community level are instru-
mental for an environmentally relevant risk assessment to determine the magnitude
of hazard (Bundschuh et al., 2016). This is achieved by measuring the inhibition of
various physiological endpoints in acute short-term assays upon exposure of leaf-
associated microorganisms to increasing concentrations of an ENP of interest. Such
highly controlled laboratory assays allow deriving specific acute toxicity thresholds,
such as NOECs (no observed effect concentrations), LOECs (lowest observed effect
concentrations) and EC50s (effective concentrations that cause the 50% effect) at the
community level for the tested ENPs.

An essential aspect to consider when performing short-term assays with ENPs
and chemicals in general is the selection of the appropriate physiological endpoints
(Holden et al., 2016). Ideally, these endpoints should not only reveal the direct acute
toxicity of the tested ENPs but also be potential indicators for functional integrity
of freshwater ecosystems. Leaf-associated microbial communities ensure a wide
range of ecologically relevant functions with associated endpoints that can fulfil
such criteria. Among several measured metrics, reduction of acetate-incorporation
into ergosterol and sporulation rate of aquatic hyphomycetes, as proxies for fungal
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growth and reproduction, respectively, as well as bacterial growth emerged as the
most sensitive indicators of short-term exposures to ENPs (i.e., from 12 to 24 h).
Indeed, inhibitory effects on these parameters occurred at lower concentrations of
ENPs than other measured function. This has been reported for various types of
ENPs, including nanoCuO (Seena & Kumar, 2019), nanoAg (Batista, Pascoal et al.,
2020; Tlili et al., 2016), nanoTiO2 (Jain et al., 2019) and others. In addition to func-
tional descriptors specifically targeting fungi and bacteria, the reduction of metabolic
activity, such as microbial respiration or the activity of extracellular enzymes, such
as phosphatase, β-glucosidase and leucine-aminopeptidase, has been reported (Tlili
et al., 2016). Overall, these general functional descriptors are less sensitive to ENPs
than the specific ones for fungi and bacteria. This can be related to the higher redun-
dancy of such functions within the decomposer communities as they are assumed by
both fungal and bacterial communities. Irrespective of their sensitivity, the use of key
biological processes such as nutrient acquisition, growth and reproduction of micro-
bial decomposers, allows examining acute toxicity of ENPs andwith that establishing
protective threshold concentrations for an ecologically relevant risk assessment and
environmental management of fresh waters.

Knowledge on the potential impacts of chronic exposure to ENPs remains limited
(Holden et al., 2016). This is an important gap given that disruption of decom-
poser community structure and activities by chronic exposure to ENPs could have
large ecosystem consequences, including on food webs, nutrient cycling, and whole-
ecosystem metabolism. Nonetheless, multiple studies show that chronic exposure of
microbial decomposers, even to low concentrations of ENPs, leads to shifts in leaf-
associated microbial communities. For instance, the composition and diversity of
aquatic hyphomycete communities changed upon exposures to nanoAg for 25 days
(Tlili et al., 2017), nanoCuO for 21 days (Pradhan et al., 2011) and nanoTiO2 for
50 days (Du et al., 2018) starting at the μg per litter level. Overall, the results of
these studies suggest that ENPs can alter species diversity within the community by
selecting tolerant species with a high ability to cope with the exerted stress (Du et al.,
2019; Pradhan, Seena et al., 2015).

Structural changes in leaf-associatedmicrobial communities, due to chronic expo-
sure to ENPs, were mostly focussing on hyphomycetes via taxonomic analysis of
spore morphology. Hence, effects on the diversity and composition of bacterial
communities were neglected, despite their important contribution in litter decom-
position (Gessner et al., 2010). By benefiting from the development of molecular
biology tools, this knowledge gap is increasingly addressed. These tools are based on
the comparison of rRNA gene sequences amplified by polymerase chain reactions. In
particular, DNAfingerprinting patterns obtained by using various techniques, such as
denaturing gradient gel electrophoresis (Batista et al., 2017b), automated ribosomal
intergenic spacer analysis (Tlili et al., 2017), and more recently high-throughput
sequencing technologies (Riyami et al., 2019; Zhang et al., 2019), allowed compar-
ison of effects on both fungal and bacterial communities. Overall, these studies show
that the structure of chronically-exposed bacterial communities to ENPs deviated
from the control communities faster than the fungal communities did. One possible
reason is that growthwithin decomposing leaf tissues protects fungi fromENPsmore
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effectively than for bacteria, although high intrinsic tolerance of fungi to ENP stress
could also play a role. Furthermore, fungi tend to have longer generation times than
many bacteria and hence are less likely capable of responding rapidly to changing
conditions.

Moreover, ENP exposure may affect the metabolism of microbial decomposers,
reducing their capability to decompose leaf litter (Batista et al., 2017b; Jain et al.,
2019; Tlili et al., 2017). For example, Du et al. (2018) reported a positive correlation
between the decrease of leaf decomposition rates and activities of eight extracellular
enzymes in response to 50 and 500 mg L−1 of nanoTiO2. These enzymes are instru-
mental for the degradation of plant polymers into small molecules and they play a
central role in both the acquisition of carbon, nitrogen and phosphorus for microbial
growth and reproduction (e.g., Arnosti et al., 2014) and the cycling of elements at
the ecosystem level (Frossard et al., 2012; Lin & Webster, 2014). Multiple studies
show that the decrease of extracellular enzyme activities due to chronic exposure
to ENPs is accompanied by reduced microbial biomass (Du et al., 2019; Pradhan
et al., 2011; Riyami et al., 2019; Zhang et al., 2019). In most cases, more adverse
effects on bacterial than on fungal biomass are observed, although the opposite is
also reported in response to relatively low nanoAg concentrations (Tlili et al., 2017).
These contrasting effects of ENPs on bacterial and fungal biomass point to poten-
tial effects of ENPs on species interactions (Gionchetta et al., 2019). If ENP stress
affects bacteriamore than fungi, or vice-versa, competitive relationships for resources
are expected to decrease thus favouring the growth of the less sensitive microbial
component.

18.2.2 Toxicity Mechanisms of ENPs in Microbial
Decomposers

Irrespective of the duration and concentration of exposure, two major mechanisms
underlying effects of ENPs on leaf-associated decomposers and microorganisms in
general are suggested:mechanical disruption and physiological damages. The attach-
ment of ENPs to the leaves (e.g., via capture within the extra-polymeric matrix) can
provide additional colonisation surface to microorganisms, thereby altering species
succession dynamics and ultimately species interactions and community functioning.
What is more, as shown for algal cells exposed to nanoCeO2 (Manier et al., 2013) or
to nanoTiO2 (Hartmann et al., 2010), the surface of fungal and bacterial cells may be
covered by ENPs. Consequently, nutrient uptake and interactions between microbial
cells and their environment are disrupted through the blockage of biological surfaces.

The potential of ENPs to directly or indirectly induce intracellular formation
and accumulation of reactive oxygen species (ROS), which leads to oxidative
stress, is considered one of the primary mechanisms causing physiological damages
(Petersen & Nelson, 2010). ROS are highly reactive oxygen-containing molecules
that are known to cause, among others, mitochondrial and DNA damage, as well
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as lipid peroxidation (Valko et al., 2005). Induction of oxidative stress has been
shown for various types of ENPs, such as nanoCuO (Pradhan, Silva et al., 2016),
nanoTiO2, nanoZnO (Lee & An, 2013), nanoAg (Lapresta-Fernández et al., 2012)
and nanoCeO2 (Zhang et al., 2011). For example, Barros et al. (2019) reported alter-
ations in the proteome of the bacteria Pseudomonas sp. due to nanoAg, and notably
an increased content of the proteins KatG and AhpC that both play an antioxidant
role by scavenging ROS. Similar responses to nanoAg at the proteome level were
observed in two fungal ecotypes ofArticulospora tetracladia, collected from ametal-
polluted and a non-polluted stream, although the magnitude of change was higher in
the ecotype from the metal-polluted stream (Barros et al., 2020). All of these exam-
ples suggest that ENPs can trigger adaptation within populations and communities,
leading to more tolerant communities towards ENPs (Batista, Tlili et al., 2020).

18.2.3 What Factors Influence Toxic Effects
of ENPs?

Understanding factors affecting the risks posed by ENPs and chemicals in general to
food-web interactions and key ecosystem processes has progressed significantly over
the past years. For conventional chemicals, it is typically assumed that ecotoxicity
is related to the active ingredient mass concentration, which in turn is dependent on
its diffusion and equilibrium partitioning. Consequently, risk is characterized using
exposure and effects data expressed in terms of mass of the active ingredient per
volume or permass. For ENPs, on the other hand, such an evaluation is not applicable
as reflected by the high variation in the outcomes on fate and effects among the
studies. An important point that emerges is that environmental fate, bioavailability
and toxicity are highly dependent on the nanoparticle chemistry and characteristics,
all of which will change as function of the receiving environment (Handy et al., 2008;
Navarro et al., 2008).

The inherent physicochemical properties of ENPs, such as particle size, surface
charge and coating, crystalline structure, as well as agglomeration state, are key
factors to consider when assessing potential effects. For instance, Du et al. (2017)
and Pradhan, Geraldes et al. (2016) observed increased toxicity of nanoZnO and
nanoCuO, respectively, to microbial decomposers with decreasing particle size, a
commonly reported outcome for other types of ENPs and freshwater organisms
(Scown et al., 2010; Silva et al., 2014). That the small ENPs exert higher toxicity
than large ones is expected, because the ratio between reactive surface area and mass
exponentially increases as particle size decreases (Farre et al., 2011; Seitz et al.,
2014). However, Batista et al. (2017a) have shown the opposite when comparing
the impacts of 100-nm polyvinylpyrrolidone-coated and uncoated 35-nm nanoAg on
freshwater microbial decomposers colonizing oak leaves. These seemingly contra-
dictory results can be explained by the high aggregation rate of the uncoated small
ENPs during experiments, leading to increased particle size and a lack of effects.
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Indeed, metal-based ENPs are usually coated with inorganic or organic compounds,
such as citrate, cysteine, carbonate or surfactants. The surface coating is applied in
order to selectively change or influence distinct particle properties, such as stability
(e.g., coating with charged polymers) or prevention of particle core dissolution (e.g.,
coating with inorganic layers). Consequently, the functionalization of ENPs via a
specific coating can significantly influence their fate, stability and thereby toxicity.
Moreover, distinct adverse effects have already been reported for some types of coat-
ings (Angel et al., 2013; Zhao&Wang, 2012). Hence, if a coating for ENPs is applied
in a research study the coating has to be studied and assessed as well.

A further layer of complexity is added because ecotoxicological effects of ENPs
are highly influenced by multiple environmental factors. The pH, water temperature,
dissolved oxygen and sulfide or chloride concentrations are important characteristics
of the aquatic environment affecting the fate of ENPs and their toxicity to microbial
decomposers (Navarro et al., 2008). For instance, dissolved organic matter (DOM) in
natural waters can cover the surface of ENPs and therefore stabilises particle size via
steric or electrostatic repulsion (Hall et al., 2009) but also acts as a physical barrier
separating nanoparticles and cells (Fabrega et al., 2009). Importantly, this coating
by DOM may also limit ion release from ENPs and reduce toxicity (Blinova et al.,
2010). Pradhan, Geraldes et al. (2016) observed mitigating effects of humic acids,
an important fraction of DOM in fresh waters (Steinberg et al., 2006), for nanoCuO
which alone reduced decomposition rate, fungal and bacterial biomass, fungal sporu-
lation and spore diversity associated with decomposing leaves. This reduced toxicity
of ENPs in the presence of humic acids was most likely caused by their carboxylic
groups that can act as binding sites for ionic metals and thereby decrease metal
bioavailability and toxicity (Al-Reasi et al., 2011; Lorenzo et al., 2002). Humic acid
macromolecules may also act as a bridge between multivalent cations such as Ca2+,
resulting in enhanced nanoparticle aggregation (Chen & Elimelech, 2007).

Because several ENPs are photoactive, sunlight and more specifically UV-
radiation significantly influences their environmental toxicity. Due to its redox ability
and chemical stability, nanoTiO2 is among themost frequently used ENPs as a photo-
catalyst for the breakdown of organic compounds via advanced oxidation processes
(Prado et al., 2013). The interaction between nanoTiO2 and UV-radiation leads to the
formation of ROS, mainly the hydroxyl radical (•OH) and superoxide anion (O2

−), at
the surface of the photocatalyst and thus increases its toxicity (Nowotny et al., 2008).
One study, however, reported a mitigating effect of UV-radiation for nanoTiO2 by
promotingmicrobial leaf decomposition.Thiswas explainedbyenhancedbreakdown
of the cellulose and lignin in the leaves, through the direct action of the generated
ROS, thereby facilitating microbial decomposition of less recalcitrant organic matter
(Prado et al., 2013). The enhanced adverse effects on litter decomposition and associ-
ated microbial activities and biomass has been also reported for combined exposure
to sunlight and ion-releasing ENPs such as nanoZnO (Du et al., 2017, 2019). This
observed sunlight-promoted toxicity may be due to increased ion release from the
nanoparticles under oxidative conditions following the formation of ROS (Liu &
Hurt, 2010). Taken together, all of these examples point to the multifaceted nature
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of ENP pollution in fresh waters and the complexity of assessing effect outcomes on
microbial decomposers and litter decomposition.

18.3 Trophic Transfer of ENPs and Effects on Detrital
Food-Web

Decomposing plant material has been identified as a likely sink for ENPs entering
fresh waters (e.g., Batista et al., 2017a; Tlili et al., 2017). This can be due to the ENPs
being captured within the extra-polymeric substances at the leaf surface or to a direct
attachment or sorption to the outer surface of bacterial cells and fungal hyphae (Gil-
Allue et al., 2018; Stojak et al., 2011; Tlili et al., 2017). Consequently, risks of ENP
exposure are particularly high for aquatic organisms feeding on contaminated leaves.
However, although various studies have shown that primary consumers take up and
accumulate ENPs from both water and their diet (Bour et al., 2016; Croteau et al.,
2011, 2014; Fouqueray et al., 2012; Tangaa et al., 2016), data on trophic transfer
of ENPs from contaminated plant material to invertebrate shredders and consequent
effects on higher trophic levels is scarce.

Leaf-shredding invertebrates, which rely highly on leaf litter as food source, are
widely distributed in fresh waters (Graça, 2001). They constitute an important link in
aquatic detrital foodwebs by transferring carbon and energy fromplant litter to higher
trophic levels (Jabiol et al., 2013). The responses of aquatic invertebrates to ENPs
through dietary uptake are generally assumed to be slower than via direct waterborne
exposure (Croteau et al., 2011; Tangaa et al., 2016).Nonetheless, feeding of shredders
on contaminated plant material with metal-based ENPs has been reported to also
cause severe adverse effects on their fitness and ecological functions (Batista et al.,
2017a; Pradhan et al., 2012; Pradhan, Geraldes et al., 2015; see also the case study
bellow; Bundschuh et al., 2019). The resulting adverse effects varied from significant
reduction of leaf consumption rates and invertebrate growth, reproduction as well
as delayed emergence to impairment of the animal neuronal activity and increased
mortality.Moreover, once taken up by invertebrate shredders, ENPs could potentially
be transferred across ecosystem boundaries, from aquatic to terrestrial food webs
(Schulz et al., 2015). For instance, this has been shown for nanoTiO2 and nanoAu
that have been carried by trichopteran caddisflies into their terrestrial life stages
during their emergence and after feeding on contaminated food (Bundschuh et al.,
2019). Such an outcome implies that terrestrial predators feeding on contaminated
aquatic preysmay ingest relatively high levels ofENPs but also suffer fromalterations
in nutritional quality of their prey, as well as their availability. Thus, uptake of ENPs
via contaminated food seems to be an important pathway of ENP exposure that needs
further considerations (Holden et al., 2016).

Besides uptake via contaminated food and trophic transfer, shifts in leaf-associated
microbial communities caused by ENPmay also alter food quality for leaf-shredding
invertebrates (Zubrod et al., 2011). Freshwater invertebrate shredders prefer to feed
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on plant litter colonized by microbes, predominantly fungi, whose activities increase
plant litter palatability for shredders (Graça, 2001). For instance, Batista et al. (2017a)
compared the feedingpreferenceof a common invertebrate shredder,Limnephilus sp.,
on leaves exposed to similar nanoAg concentrations but at different sizes, leading
to different leaf colonization by microbes. Results indicated that animals avoided
feeding on leaves with lower fungal diversity and biomass. This could therefore have
knock-on effects on the entire detritus-based food web (Graça, 2001; Schäfer et al.,
2012), although the magnitude of such effects may also rely on the species identity
that have been selected by the exposure to ENPs.

18.3.1 Case Study: Relative Importance of Waterborne
Exposure to and Dietary Uptake of NanoAg
for the Leaf-Shredding Amphipod Gammarus pulex1

Background & Aims. The opportunities and risks inherent in the widespread use of
nanoAg are closely linked to the antimicrobial potency of silver, which appears to be
further enhanced when silver occurs in the form of nanoparticles (Sondi & Salopek-
Sondi, 2004). NanoAg has been reported to be toxic to most aquatic organisms on all
trophic levels, although toxicity varied by several orders of magnitude (i.e., from few
nanograms to several milligrams per litter of effective Ag concentrations), depending
on the tested organism and experimental setup (Bondarenko et al., 2013). Even
though waterborne exposure is considered the most relevant for ENPs, sorption and
accumulation of nanoAg to plant material suggest that dietary exposure through the
consumption of contaminated food is also an important pathway. The vulnerability
of leaf-shredding invertebrates to nanoAg has been demonstrated for both exposure
pathways (Al Mahrouqi et al., 2018; Luderwald et al., 2019). Notwithstanding this,
studies on their relative contribution to the observed adverse effects are still rare.
Therefore, the overarching aim of this case study was to examine the relevance of
dietary uptake of and waterborne exposure to nanoAg, or a combination of both
exposure pathways, of the leaf shredder Gammarus pulex, a widely used amphipod
in toxicity testing.

Experimental approach. Discs (14 mm-diameter) from Populus nigra L. leaves
were enclosed in fine nylon mesh bags and submerged for four weeks in a first-
order forest stream located in the north-eastern lowlands of Germany (53°06′46′′N,
13°08′43′′E).AdultG. pulex (6–8mmbody length)were also collected from the same
stream two weeks prior to the start of the feeding trials and allowed to acclimatize
gradually to the experimental conditions. Themicrocosms used in the study consisted

1This case study was performed in collaboration with Dr. Jeremy Jabiol and Prof. Mark
O. Gessner (IGB, Department of Experimental Limnology, Germany) and Dr. Renata Behra
(Eawag, Department of Environmental Toxicology, Switzerland). Financial support was provided
by the Swiss National Science Foundation (SNF, grant no. 200020_134750/1) as part of theNational
Research Programme NRP 64 on Opportunities and Risks of Nanomaterials.
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of polypropylene vessels that were filled with 150 mL of stream water diluted with
nanopure water at a ratio of 1:3 to ensure nanoAg stability. Each microcosm was
split in two with a 0.5 mm mesh screen. During the feeding trials, one compartment
contained two leaf discs and one G. pulex, while the second contained only two leaf
discs to account for abiotic and microbial leaf mass loss.

The experimental design involved three exposure scenarios to citrate-coated
nanoAg suspensions (size 25 ± 13 nm; zeta potential −36.6 ± 3.2 mV in nanopure
water; Fig. 18.2). In the waterborne exposure treatments, the animals were first
exposed to 100 μg nanoAg L−1 during two days, before being placed in the micro-
cosms to feed on non-contaminated leaf discs. To examine the effects of dietary
exposure, the gammarids fed on leaf discs that were pre-exposed in nanopure water
to 100-μg nanoAgL−1 for two days. Finally, a set ofmicrocosmswere used to test for
the combination of both waterborne and dietary exposure. Additional microcosms
were kept as controls with non-contaminated food and water. All microcosms (20
replicates per treatment) were incubated for five days at 15 °C under constant aeration
and a 12 h/12 h light/dark cycle (BioSun fluorescent tubes, Radium Lampenwerk
GmbH, Germany).

The colloidal stability of 100-μgnanoAgL−1 in the exposuremediawas examined
by dynamic light scattering (DLS), using a Zetasizer.Measurements of particle diam-
eter and surface charge were taken immediately (i.e., within 15 min) after addition
of the particles and then again after seven days. The total silver concentration in the
leaf discs was measured by ICP-MS after acidic digestion (Tlili et al., 2017). More-
over, the silver strongly associated with the leaves and gammarids was also analysed
following a washing procedure with cysteine (a strong chelating ligand for silver)
(see Tlili et al., 2017 for the detailed procedure). All microcosms were inspected
daily for dead animals, which were immediately removed and stored at -20° until

Fig. 18.2 Experimental
design of the feeding trials
with (a) G. pulex and
(b) colonized poplar leaf
discs pre-exposed separately
to 100 μg L−1 nanoAg
during two days, and then
(c) distributed in the
microcosms, corresponding
to the various exposure
scenarios for the feeding
trials that lasted for 5 days

a

cb
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analysis. Gammarids’ consumption of poplar leaf discs (in mg mg−1 DW consumer
day−1), corrected for the abiotic and microbial leaf mass loss, was calculated as
described in Pradhan et al. (2012).

Results & discussion. Particle characterization in the exposure media showed that
nanoAg aggregated only slightly during the experiment (size at t0 days= 50± 10 nm
and at t10 days= 80± 25 nm). Themeasured low aggregation of the particles is most
likely due to their coating with the negatively charged citrate, which was confirmed
by the relatively high stability of their surface charge (zeta potential = −16 ± 2 mV
at t0 days and t10 days).

Our results clearly show that leaf litter efficiently accumulates silver (Fig. 18.3),
which supports the notion that this ecosystem compartment acts as a significant sink
for ENPs. Indeed, the largest fraction of accumulated silver was strongly bound to
the leaves and ranged from 65 to 100% of the measured total silver concentrations.
Moreover, concentrations of silver in the exposure media of all treatments at the end
of the feeding trials were below the quantification limit (0.1 nMAg, data not shown),
indicating that the release of silver from the leaves to the water phase was minimal.
The shredders that consumed the contaminated leaves for five days assimilated 65
± 13 and 81 ± 18 μg Ag g−1 DW in the dietary and combined exposure treatments,
respectively, while exposure via waterborne to nanoAg resulted in at least 10 times
less silver in G. pulex (6 ± 3 μg Ag g−1 DW). These results show that invertebrate
shredders are highly vulnerable to nanoAg contamination of decomposing leaves
and bioaccumulate the metal when assimilating it with their diet.

The feeding rate of G. pulex in control microcosms averaged 0.21± 0.04 mg DW
mg−1 consumer−1 day−1 and was significantly reduced in all exposure scenarios to
nanoAg (i.e., 0.07 ± 0.03, 0.09 ± 0.02 and 0.05 ± 0.02 mg DW mg−1 consumer−1

day−1 in the waterborne, dietary and combined exposure treatments, respectively)
(Fig. 18.4). Feeding rates of invertebrate shredders can be influenced by shifts in
fungal species, which alters the palatability of leaves offered as food (Zubrod et al.,

Fig. 18.3 Box plots of the concentrations of total silver in leaves and associated silver to leaves
and G. pulex at the end of the 5-day feeding trials. The horizontal lines within the boxes indicate
medians, boundaries of the boxes indicate the 25th and 75th percentiles, and the whiskers indicate
the highest and lowest values (n = 4). Different letters denote a significant difference (p < 0.05;
Tukey’s test) between treatments. Silver concentrations in the control treatments were below the
quantification limit of 0.1 nM Ag
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Fig. 18.4 Box plots of the
leaf consumption rates by G.
pulex for 5 days. The
horizontal lines within the
boxes indicate medians,
boundaries of the boxes
indicate the 25th and 75th
percentiles, and the whiskers
indicate the highest and
lowest values (n = 17, 12, 9
and 9 in the control,
waterborne exposure, dietary
exposure and waterborne ×
dietary treatments,
respectively). Different
letters denote a significant
difference (p < 0.05; Tukey’s
test) between treatments

2011). This may not be the case in our study since we have demonstrated previously
that under the exact same exposure conditions microbial decomposer communi-
ties are not affected (Tlili et al., 2017). Moreover, although significantly reduced in
comparison to the control treatments, feeding rates ofG. pulex did not differ between
waterborne and dietary exposure. This is in contradiction to the fact that large differ-
ences in silver accumulation were observed between the two exposure pathways. The
lack of significance suggests that other mechanisms than alteration of food quality
such as interference of silver with food digestion may contribute to the impairment
of leaf consumption by G. pulex.

In contrast to feeding rates, shredder mortality was clearly correlated to the assim-
ilated silver concentrations in the animal body and differed among the three exposure
scenarios. Mortality during the five-day feeding increased from 10% in the control
microcosms to 40% in the waterborne exposure treatments, and even more in the
dietary and combined exposure treatments, reaching 55 and 60%, respectively. This
outcome points to a high sensitivity of G. pulex survival to nanoAg, which was exac-
erbated when exposure occurred via contaminated food. One mechanism could be
related to an increased silver ion release after uptake of nanoAg with food, caused
by exposure of the particles to acidic conditions in the digestive tract. Overall, our
results show that nanoAg can be transferred from one trophic level to another and
therefore can be incorporated into food chains. In conclusion, dietary exposure to
nanoAg appears to be an important pathway to consider and the related mechanisms
underlying adverse effects need further systematic investigation.

Irrespective of the exposure pathway, effects of ENPs on leaf-shredding inverte-
brates are dependent on multiple factors, particularly the properties of the particles
themselves and environmental characteristics. For instance,Mehennaoui et al. (2016)
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reported on increased acute lethality of nanoAg to the leaf shredding amphipod
Gammarus fossarum with decreased particle sizes, ranging from 20 to 200 nm. This
may be explained by a higher bioaccumulation of the small ENPs that are taken up
via various pathways such as direct ingestion or through the Gammarus gills (Andrei
et al., 2016). Uptake of ENPs by invertebrate shredders and therefore toxic effects can
also be significantly dependent on the surface coating of the particles, as it has been
shown with the higher bioaccumulation in G. fossarum of citrate-coated nanoAg and
nanoAu than polyethylene glycol coated ones (Mehennaoui et al., 2018).

Furthermore, few studies have investigated the role that environmental factors,
such as UV-irradiation or increased temperature, play in the toxicity of ENPs to
invertebrate shredders. For example, the combined exposure to nanoTiO2 and UV-
irradiation has been demonstrated to negatively impact the feeding rates and survival
of G. fossarum more than single exposures (Bundschuh et al., 2011) and also to
alter their habitat selection (Feckler et al., 2015). Temperature increase, on the other
hand, promoted leaf consumption by the aquatic invertebrate Limnephilus sp. upon
exposure to nanoAg (Batista, Pascoal et al., 2020). Such an outcome is not neces-
sarily beneficial for freshwater ecosystems as it may lead to a fast depletion of food
resources and to alterations in the carbon and energy fluxes (Schulz et al., 2015).
Although further investigations with other types of ENPs and environmental factors
are needed, these studies underpin the importance of considering environmental
parameters and the unique particle properties during the assessment of the risks
posed by ENPs to invertebrate shredders and detritus-based food-webs.

18.4 Conclusions and Outlook

Advances have been made toward characterizing the impact of ENPs on microbial
decomposers and the associated functions they ensure in fresh waters over the past
years. Clearly, their potency bears significant environmental costs by disrupting key
biological processes such as nutrient acquisition, growth and reproduction of micro-
bial decomposers. This has potential consequences for stream food-web configu-
ration, plant litter decomposition, nutrient cycling and the overall flow of energy
in fresh waters. Nonetheless, it is clear that the wide range of particle properties
together with interactions with environmental factors and water chemistry result in
large uncertainties regarding the fate and effects of ENPs in natural ecosystems.
Because particle agglomeration is the most important process driving their fate and
effects, it is crucial to understand the conditions that promote or prevent this process.
Therefore, a systematic characterization of particle size, surface charge, coating, ion
release for metal-based ENPs and crystalline structure under relevant experimental
conditions is a prerequisite when testing for toxicity. DOM is an important factor
affecting the behaviour of ENPs by changing their surface charge or by providing
an adsorption surface, and should also be quantified and its composition character-
ized. Importantly, transformation and aging of the ENPs over time is an additional
key to understand their fate and transport in fresh waters, as well as their potential
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biological effects. In addition, the presence of other organic and inorganic contami-
nants (i.e., chemical mixtures) can interact with metal- and carbon-based ENPs and
impacts toxic outcomes. Such interactions underpin the need for a more adapted
environmental risk assessment including mixture toxicity, to account for the role of
ENPs.

In general, detailed knowledge about effects of ENPs on levels of ecological orga-
nization above the individual is still lacking. Important questions about how ENPs
influence species interactions within microbial decomposer communities, as well as
with higher trophic levels, and thus their ability to cope with stress remain to be
addressed. Assessing and predicting impacts of ENPs on species interactions are
not enough. A comprehensive assessment requires the consideration of ecosystem
processes, in addition to variables describing the structure of populations and commu-
nities (Rosi-Marshall & Royer, 2012). For the decomposition of plant litter, multiple
functionally distinct groups of organisms may be involved, which influences the net
outcome of ENP exposure on these process rates and further complicates the predic-
tion of adverse effects. Given the difficulty to address these questions with natural
communities, it seems reasonable to use a stepwise approach that consists in testing
for effects in systems of gradually increasing biological complexity. This can be
achieved bymanipulating for example fungal diversity under controlled experimental
conditions (Dang et al., 2005; Jabiol et al., 2013).
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Chapter 19
The Construction of Plant Litter
Decomposition Curves

Antoine Lecerf

Abstract Quantitative analysis of changes undergone by plant litter during decom-
position is a main focus of theoretical and empirical studies of plant litter decom-
position. Decomposition curves are most often described by systems of differential
equations whose closed-form solutions enable simple estimation of fundamental
parameters such as litter decay rate(s). Other potential applications of mathemat-
ical models of litter decomposition include analysis of the controls of plant traits vs.
decomposers on decomposition and predictions of how litter decomposition responds
to ecosystem changes. This chapter provides an overview of the main approaches to
modelling plant litter decomposition and drawing decomposition curves produced
under various assumptions. The Olson’s negative exponential model has been widely
used by freshwater ecologists to summarize and compare results of field and labora-
tory studies. Yet, it is still unclear where and when the assumption of time invariance
of litter decay rate underlying the simple model is met. Process-based models incor-
porating litter heterogeneity and/or consumer-resource dynamics provide evidence
that decomposition does not proceed at constant rate. Thus, relaxing the assumption
of time invariance for litter decay rate is a necessary step towards a deeper mech-
anistic understanding of drivers and agents of plant litter decomposition in aquatic
ecosystems.

19.1 Introduction

In plant litter decomposition research, much emphasis is placed on empirical and
theoretical construction of curves depicting temporal pattern of detritus standing
stock. Decomposition curves specifically refer to mass changes undergone by a pool
of detrital organic matter since its appearance as a single-pulse input to the system,
until its complete disappearance. The non-living nature of detritus makes detrital
mass decreases through time. Empirical construction of decomposition curves is
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often achieved by the mean of litterbag experiments. This way of studying plant litter
decomposition in the field enables to control for the amount and quality of detrital
stock. Litterbags are also effective at collecting decomposers that are involved in
decomposition, while preventing mixing of plant litter from the inside and outside of
bags.Measurement of detrital mass remaining in litterbags sampled at different occa-
sions is the basis of empirical construction of decomposition curves. Various mathe-
matical models are then used for interpolation purpose and estimation of ecologically
meaningful parameters underpinning the fate and effects of detritus in ecosystems.

Mathematical models of plant litter decomposition have been initially devel-
oped as part of broader models aiming to describe temporal dynamics of detrital
organic matter dynamics in open systems fueled by natural plant litter inputs (e.g.,
Olson, 1963). Such a holistic approach focuses on organic matter budget and
ecosystem stability and, therefore, it does not explicitly examine decomposition
curves (Manzoni et al., 2009). Mathematical modelling here offers a realistic way
to overcome limitations of empirical ecosystem research that is unable to cover all
spatial and temporal scales relevant to analyze long-term detritus dynamics. There
are few examples of applications of models of organic matter dynamics in fresh-
water ecosystem research. The comprehensive work by Boling et al. (1975) is worth
noting here as their model of detritus standing stock in streams explicitly incorpo-
rated the heterogeneous nature of the detritus pool and qualitative changes under-
gone by detritus during decomposition. They used a discrete time approach whereby
detrital mass change was expressed as a probability of transitioning from one stage to
another in each time step. Quantification of organic matter dynamics in streams has
also been achieved by the mean of continuous-time models (e.g., Richardson et al.,
2009; Webster, 1983). The one developed by Webster (1983) was intended to assess
the functional role of benthic invertebrates at the ecosystem level. Detritus stock was
described based on physical models of transport and deposition of plant litter and
fineparticulate organicmatter producedduring decomposition, coupledwith bioener-
getic models for invertebrate detritivores (i.e., shredders and fine-particulate organic
matter feeders). An interesting finding from this study was the ability of the model
to reproduce observed pattern of plant litter mass change during decomposition in a
closed system, such as litterbags (Webster, 1983).

Despite noteworthy efforts aimed at modelling patterns and processes of litter
decomposition, the development of quantitative theories in this field has remained
low on the research agenda for freshwater ecology. Common practices for analyzing
empirical decomposition data currently largely rest onmethods borrowed from terres-
trial ecology, in particular from the seminal work published by Olson (1963). The
leading role of terrestrial research here pertains to a numerical dominance of terres-
trial ecologists studying plant litter decomposition as well as the importance of
geochemical approaches to quantify organicmatter stocks and flows at the ecosystem
scale. In freshwater ecology, a naturalistic perspective is most often taken in studies
on plant litter decomposition. However, in addition to empirical research, quantita-
tive theories are required to achieve a robust understanding of patterns and processes
underpinning the decomposition of submerged plant litter. This chapter is intended as
a guide for freshwater ecologists to consolidate their knowledge on modelling plant
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litter decomposition and to deepen practices in quantitative analysis of decomposition
data.

19.2 Overview of Kinetic Models for Plant Litter
Decomposition

Many useful decomposition models are based on kinetic principles wherein detritus
is represented by one or several compartments whose size(s) changes through time
as a function of detrital mass itself (Manzoni et al., 2012). Compartments stand for
homogeneous detritus pools and, therefore, the number of compartments reflects
prior assumptions on the chemical diversity of organic matter. Rate of detrital mass
loss from each compartment is expected to conform to first-order kinetics (Manzoni
et al., 2009):

Ṁit = −ki Mit (19.1)

where Mi is detrital mass in compartment i at time t (e.g., in days), Ṁit is the absolute
rate of detrital mass change through time (i.e., dMit /dt), and ki is a constant. The
parameter k is broadly referred to as the litter decay rate, which is the fraction of litter
mass remaining that is lost every instant of time. Unlike absolute mass change (i.e.,
Ṁit in Eq. 19.1), k is dimensionless with respect to mass. As noted by Manzoni et al.
(2009, 2012), the decay constant is analogous to a failure (or hazard) rate that is the
likelihood that if something survives to one moment, it will not survive to the next.
The probabilistic reasoning makes sense if detritus is viewed as a pool of molecules
each facing a risk of being decomposed. The inverse of k (i.e., k−1) quantifies the
average time that molecules spend within the detrital pool.

The closed-form solution of Eq. 19.1 is an exponentially decreasing function
wherein the pre-exponential factor Mi0 is defined a priori as the initial detrital mass
in the compartment i:

Mit = Mi0e
−ki t (19.2)

If a single homogeneous pool of detritus is assumed (see Table 19.1), Eq. 19.2 can
be directly applied to model temporal pattern of detrital mass as proposed by Olson
(1963). His model is also called “the negative exponential model” or “the single-
pool model”. The Olson’s model has been broadly used in freshwater ecology to
summarize results from litterbag experiments and to compare decomposition curves
for different litter species or environmental conditions. It produces anupward concave
curve, which is most often observed in studies of litter decomposition in freshwaters.
An important asset of this model lies in its simplicity with respect to the number of
parameters to be estimated (i.e., k-value) and the basic skills in statistics required
for model estimation. It is worth noting here that the choice of the Olson’s model is
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rarely justified through rigorous comparison with concurrent models (e.g., Cornwell
& Weedon, 2014).

When observed decomposition curves display no obvious curvature pattern, it
can be tempting to draw a straight regression line through the data points (e.g.,
Baudoin et al., 2008). Linear decrease in detrital mass through time suggests that
decomposition proceeds according to a zero-order kinetic model (see Model B in
Table 19.1). In this case, the slope of the linear decomposition curve (κ) is equal to
the time-derivative of detrital mass vs time and, therefore, it is not equivalent to the

parameter k in the Olson’s model (see Eq. 19.1). If we remember that k = −
.

Mt
Mt
, then

it is possible to find an expression that links k and κ (Model B in Table 19.1). At
time t = 0, decay rate is equal to κ

M0
and it increases with time asymptotically toward

infinite value as detrital mass remaining gets close to zero. As a steady decrease
of litter mass through time is a manifestation of time-varying decay rate, the linear
model of plant litter decomposition should be considered as more complex than the
Olson’s model that assumes time-invariant decay rate.

An upward concave decomposition curve is expected to arise as a result of rapid
initial loss of labile compounds (water-soluble molecules), and an opposite trend for
increasing fraction of refractory compounds (fiber and lignin) in the detrital pool.
This mechanism is not compatible with the key assumption underlying the Olson’s
model, that the detrital pool is made of homogeneous organic matter. Moreover,
accumulation of refractory compounds through time should result in a decline in
litter decay rate as decomposition proceeds, thus invalidating the assumption in the
linear model (Model B). The heterogeneous nature of the detrital pool is conve-
niently represented by multi-compartment models of litter decomposition (Manzoni
et al., 2009). The best-known example is the kinetic model with two compart-
ments (also referred to as the bi-exponential model; see Table 19.1), one for labile
compounds and one for refractory compounds, wherein decomposition proceeds
independently following first-order kinetics (e.g., Chauvet, 1987). Other types of
multi-compartment models include a larger number of compartments, connected or
not to each other (see Manzoni et al., 2009 and 2012 for a comprehensive overview).

Another way to deal with detritus heterogeneity in a kinetic modelling framework
is to substitute discrete compartments for a continuous distribution function of litter
quality. In the general equation proposed by Carpenter (1981), litter decay rate is
specified as a function of the quality of detrital compounds. A third function is to
account for the transformation of detrital compounds into new compounds of lesser
or greater quality during decomposition. The continuous modelling framework for
plant litter decomposition thus offers a versatile toolbox for exploring the control of
plant litter quality over decomposition.However, closed-form analytical solutions for
detrital mass remaining (Mt) are only obtained under specific assumptions, which
limits the relevance of such a model to analyze empirical data. For instance, two
conditions must be satisfied to end up with equation D in Table 19.1: (1) the quality
of detrital compounds does not change during decomposition and (2) the distribution
of decay rates conforms to a Gamma probability density function (Manzoni et al.,
2009).
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19.3 A General Kinetic-Based Model of Litter
Decomposition with Explicit Time-Varying Decay Rate

Time-varying decay rate is a common property of all litter decomposition models
that produce non-exponential decreasing trajectories. The time-dependence of litter
decay rate can bemade explicit by rewritingmodel formulas in either of the following
forms:

Ṁt = − f (t)Mt (19.3)

or

Mt = M0e
−∫ t

0 f (t)dt (19.4)

f (t) is a mathematical expression for time-varying litter decay rate (i.e., the same as
kt). This function can be found a posteriori for all existing kinetic-based models of
litter decomposition (Manzoni et al., 2012; see Table 19.1 for examples). If f (t) is set
to a constant, then Eq. 19.3 is equivalent to the first-order kinetic model (Eq. 19.1)
and, therefore, Eq. 19.4 yields the Olson’s model.

Rovira and Rovira (2010) suggested that f (t) could be specified in an intuitive
manner so as to incorporate prior knowledge on expected pattern of litter decay rate
over time and plausible values for upper and lower bounds. In Model E from Table
19.1, litter decay rate is assumed to decline from the initial value equal to a + b to a
final value b, following an asymptotic exponential function. The initial value can be
taken equal to the decay rate for leachable compounds whereas the final value can be
specified as the decay rate of the most refractory compound in the litter (i.e., lignin).
The third parameter (m) indicates how fast litter decay rate changes through time,
which may relate to the distribution of organic compounds along a degradability
gradient as well as environmental constraints on plant litter decomposition.

Models with explicit time-varying decay rate are convenient to incorporate effects
of environmental fluctuations on litter decomposition (Rovira & Rovira, 2010). Alp
et al. (2016) applied this rationale to simulate temperature-dependent change in
leaf litter standing stocks in lakes. A discrete-time modelling approach was used
to reconstruct decomposition curves based on measured daily lake temperatures
and empirical estimates of the temperature sensitivity of litter decomposition. In
this study, the Arrhenius equation was used for this purpose (Alp et al., 2016). A
continuous-time approach is conceivable if temperature variation is specified as a
function of time. Then, Eq. 19.4 becomes:

Mt = M0e

t∫
0
− f0(t)e−Ea/[kB θ(t)]dt

(19.5)
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whereEa is the activation energy of litter decomposition, kB the Boltzmann constant,
f0(t) is for temperature-independent variation in litter decay rate and θ(t) is a function
that describes temperature variation.

If constant temperature-independent decay rate is also assumed in Eq. 19.5, f0(t)
can be pulled out of the integral which can then be substituted by a sum of the values
calculated by the formula Xi = e−Ea/kBθi for i = 1 to t. The resulting expression
(Eq. 19.6) provides an alternative to the classical “degree-days correction” to estimate
temperature-corrected decay rate out of empirical decomposition data (assuming that
Ea is known).

Mt = M0e
−k0(

∑t
i=1Xi) (19.6)

The general model of litter decomposition with explicit time-varying decay rate
(Eq. 19.4) provides a basis for understanding the rationale of the “degree-days correc-
tion” commonly applied in aquatic decomposition studies. The equation describing
this method is:

Mt = M0e
−λ

∫ t
0(t)dt (19.7)

where λ is a litter decay rate expressed in degree-day−1 and the integral is the temper-
ature sum from day 1 to tth. A key underlying assumption here is that litter decay
rate increases proportionately with temperature [because f (t) = λθ(t)]. As litter
decomposition is unlikely to cease at 0 °C, a more suitable expression forM t is:

Mt = M0e
−∫ t

0λ0+λ1θ(t)dt f0(t) (19.8)

Once rearranged and solved, Eq. 19.8 yields an expression that is equivalent to the
model proposed by Hanson et al. (1984):

Mt = M0e
−λ0t+λ1

∫ t
0θ(t)dt (19.9)

where λ0(day−1) and λ1(degree.day−1) are temperature-independent and dependent
decay rates, respectively, and the integral is a temperature sum (i.e., degree-days).
It is worth noting that Eq. 19.9 is potentially useful to take into account effects of
fluctuation of other important environmental factors, such as nutrient concentration,
on litter decay rate. In this case, θ(t)will be replaced by an appropriate function x(t)
and then

∫ t
0x(t)dt will be the sum of values taken by the focal factor (e.g., a sum of

nutrient concentrations) during the timeframe of the study.
The three methods for removing temperature signal from litter decomposition

curves presented here (Eqs. 19.6, 19.7, and 19.9) assume that temperature sensitivity
of litter decay rate is constant over time. As the temperature sensitivity of decompo-
sition is suspected to differ between labile and refractory compounds in litter (Fierer
et al., 2005), variable temperature effects may arise as a result of change in their rela-
tive proportions during decomposition. Another underlying but untested assumption
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is the synchrony of decomposers’ response to temperature fluctuations. One strength
of the method based on the Arrhenius equation is that it takes into account the non-
linear nature of temperature effect as expected from previous studies (Boyero et al.,
2011; Follstad Shah et al., 2017). In contrast, the “degree-days correction” methods
assume a linear temperature effect but do not require temperature-sensitivity of litter
decomposition to be defined a priori (Hanson et al., 1984).

19.4 Process-Based Model of Plant Litter Decomposition

The view that litter decomposition is regulated by detritus quality is a cornerstone
of the justification and formulation of kinetic-based models. In contrast, kinetic
modelling lacks relevance to quantitatively analyze top-down control of plant litter
decomposition mediated by abiotic and biotic agents of decomposition. Hieber
and Gessner (2002) proposed a mechanistic framework for integrating decomposer
effects on litter decomposition based on knowledge gained from freshwater research.
In their model, biotically-driven detrital mass loss is expressed as a sum of instan-
taneous rates of organic matter flow from leaf litter to decomposers. Organic matter
flows are assumed to depend on the biomass of three groups of decomposers:
bacteria (b), filamentous fungi (f ) and shredders (s). The correspondingmathematical
expression is:

Ṁt = −[
gb(Bbt ) + g f

(
B f t

) + gs(Bst )
]
Mt (19.10)

In Eq. 19.10, gi (Bi t ) are functions that estimate the fraction ofMt lost at each time
step owing to the activity of decomposer group i = {b, f, s}. They are formulated as
a product of decomposer biomass per unit of litter mass (equivalent to a consumer-
to-resource biomass ratio) to biomass-specific (i.e., per capita) effect on detrital
mass. It is interesting to note that the term in brackets in Eq. 19.10 is an expression
of litter decay rate (i.e., f(t) in Eq. 19.3) if decomposition were solely mediated by
decomposers. Analysis of this model can thus give some hints about conditions under
which time-invariance of litter decay rate could emerge. As decomposer biomass
increases rapidly during the initial stage of litter decomposition (Gessner et al.,
1999), the litter decay rate should increase rather than remain constant. A logistic
function (i.e., S-shaped curve) have been used to describe colonization patterns of
the main stream decomposers (e.g., Alemanno et al., 2007; Dang et al., 2009; Swan
& Palmer, 2005). Accordingly, constant litter decay rate is most likely to arise when
total decomposer biomass density gets stable near the upper limit (i.e., “carrying
capacity”) and per capita decomposer effects on decomposition do not change much
through time. Both conditions are likely to be met an intermediate stage of litter
decomposition. In a later stage, biomass density of fungi and shredders and per
capita effect may decline as refractory compounds become a prominent fraction of
the detritus pool.
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Short-term feeding experiments provide quantified information about per capita
effects of shredders on litter decomposition. Individual feeding activity is thought
to be independent of detrital mass remaining, corresponding to type I functional
response. However, shredders may cease feeding on detritus before complete disap-
pearance due to low palatability of detrital compounds remaining a late decomposi-
tion stage (Hieber &Gessner, 2002). Litter palatability is also minimal an early stage
of litter decomposition and increases as detritus gets colonized by microbial decom-
posers (Graça, 2001). Thus, Alemanno et al. (2007) introduced a Boolean function in
their model to represent the possibility that shredders start feeding on detritus once
microbial biomass has reached a certain threshold. Shredders feeding on conditioned
leaf litter are documented to ingest between 10 and 80% of their body mass per day,
though values beyond these bounds are sometimes reported. Feeding rate is likely to
vary depending on individual phenotypes, intraguild interactions, and initial detritus
chemistry (Danger et al., 2012; Lecerf et al., 2005; McKie et al., 2008; Rota et al.,
2018; Santonja et al., 2017).

An energetic-based approach has been taken to estimate per capita effects of
bacteria and fungi on litter decomposition. The rate of detrital mass loss is assumed
to be proportional to carbon uptake rate by microbial decomposers, which is the sum
of biomass production, exoenzyme synthesis and respiration (Geyer et al., 2016).
The carbon uptake rate can be approximated by a ratio of gross growth rate to
carbon use efficiency (Hieber & Gessner, 2002). Bacteria and fungi both allocate
about one third of acquired carbon to the synthesis of new organic compounds;
however, the former uptakes more carbon per unit of biomass than the latter (Hieber
& Gessner, 2002). Alternative methods to estimate osmotroph activity include the
use of enzymatic models as proposed by Sinsabaugh et al. (1993). Their method
involves determining exoenzyme concentrations in detritus and finding statistical
relationships between exoenzyme concentrations and the rate of detritalmass loss. As
a result, the enzymatic-based approach tomicrobial decomposition takes into account
both carbon transfer from detritus to decomposers and loss of partially-degraded
compounds that escape decomposers (e.g., fragments of cell walls).

The study of Alemanno et al. (2007) constitutes the most comprehensive effort to
incorporate patterns and processes underpinning decomposer effects on plant litter
decomposition into a mechanistic model. This model was intended to reconstruct
decomposition curves that were compared with empirical data of litter decomposi-
tion in a lake. The authors found that the best match between empirical and simulated
decomposition curves arose when the model accounted for both effects of detritus
heterogeneity, the activity of microbial and invertebrate decomposers and their inter-
action (Alemanno et al., 2007).Mechanisticmodels are also powerful tools to explore
how decomposers mediate effects of environmental changes on process rates (e.g.,
Dang et al., 2009). However, there is only a handful of studies adopting such a math-
ematic approach to litter decomposition, conceivably due to the daunting complexity
of existing models. For instance, the large number of parameters (>20) and equations
makes the one developed by Alemanno et al. (2007) impracticable to analyze and
run by many investigators.
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19.5 A “Toy” Model of Plant Litter Decomposition

Here I present a “toy” model, a simple, idealized, analytical model based on a basic
understanding of detritus and decomposer controls on plant litter decomposition.
Detritus is assumed to be composed of two pools of organic matter (leachable
and non-leachable) whose decomposition occurs in an independent fashion. Two
equations describe the system:

{
Ṁ1t = −k1M1t

Ṁ2t = −g(M2t )
(19.11)

where M1 and M2 are stocks of leachable and non-leachable organic matter, respec-
tively. The sum of leachable (M1) and non-leachable (M2) organic matter is equal to
detrital mass (M).

The dissolution process accounts for rapid loss of leachable organic matter during
the initial stage of litter decomposition in aquatic ecosystems, which can be reason-
ably described by first-order kinetics (Alemanno et al., 2007; Dang et al., 2009). To
obtain a closed-form expression for M1t , the decay constant k1 and the initial frac-
tion of leachable organicmatter in detritus

[
α = M10/(M10 + M20)

]
must be known.

Empirical determination of detrital mass loss in absence of biota can produce cred-
ible estimates for these parameters (e.g., Bärlocher, 1992; Gessner & Schwoerbel,
1989; Rodríguez-Pérez et al., 2018). Their values are likely to depend on the chemical
quality but also the structural integrity of detritus. For instance, leachable compounds
are released at faster rate from leaf litter that had previously exposed to drying or
freezing conditions (Bärlocher, 1992).

In Eq. 19.11, g(M2t ) is a function used to describe how decomposer effect
changes as litter decomposition proceeds. Following Hieber and Gessner (2002),
it is expressed as the product of per capita decomposer effect (β), decomposer-to-
detritus biomass ratio (R), and resource available (M2). Substituting M2 with M is
required when R is determined based on total detrital mass, which is most often done
in empirical studies. Due to rapid loss of leachable organic matter from submerged
litter, the difference betweenM andM2 is negligible most of the time detritus spends
in the system and, thus, we have:

Ṁ2t ≈ −βM RMMt (19.12)

Here β and R are assumed to vary with detrital mass remaining and hence the product
βM RM is analogous to an implicit time-varying decay rate.

Decomposer colonization of detritus is driven by spatial movements (immigration
and emigration) and local demographic processes (intrinsic growth rate). To avoid the
complexity of deterministic models of decomposer biomass, an empirical expression
for the product RMMt (Eq. 19.12) is proposed here. A hump-shaped curve peaking at
mid-decomposition stage describes how decomposer biomass changes with detrital
mass. This pattern is expected because decomposer biomass is negligible at both
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Fig. 19.1 Functions used to describe patterns of decomposer biomass (a) and per capita effect
(b) along a detritus mass gradient (M)

ends of the range of detrital mass and the abundance and diversity of decomposers
are thought to be the greatest when about half of the detrital mass had been lost.
Though the exact nature of the relationship of decomposer biomass vs detrital mass
is unknown (e.g., Swan & Palmer, 2005), it is convenient to use a quadratic function
in this case (Fig. 19.1a):

RMMt = 4Bmax

M0
2 (M0 − Mt )Mt (19.13)

Bmax is the maximal biomass reached over the lifespan of detritus patch of initial
mass equal to M0.

The per capita decomposer effect β is likely to depend on decomposer community
structure owing to fundamental differences between bacteria, fungi and shredders.
For instance, shredders or bacteria are likely to be much more efficient than fungi in
degrading detritus (Hieber & Gessner, 2002). Thus, β can be expressed as a biomass
weighted average of decomposer-specific per capita effect on litter decomposition:

β =
∑n

i=1 βi Bi∑n
i=1 Bi

(19.14)

whereβi and Bi are per capita effect and biomass of decomposer group i, respectively.
The per capita decomposer effect β should increase as decomposition proceeds

since early colonizers (fungi) are the least efficient decomposers. A power function
is potentially relevant to describe the dependence of β upon M (Fig. 19.1b):

βM = b(M0 − Mt )
c (19.15)

Here, b and c are positive constants. The scaling exponent c determines the
shape of the relationship. Equation 19.15 produces a linear relationship when c = 1.
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Concave upward and downward curves are obtained when c > 1 and < 1, respectively
(Fig. 19.1B). Empirical evidence suggest that, asM decreases, per capita decomposer
effect increases in a decelerating fashion and thus displays an asymptotic behavior
when detrital mass gets small (Fig. 19.2).

Combining Eqs. 19.13 and 19.15 leads to a new expression for Eq. 19.12:

Ṁ2t ≈ −4bBmax

M0
2 (M0 − Mt )

1+cMt (19.16)

In the “toy” model presented here, litter colonization by decomposers is triggered
by leaching rather than any relevant demographic parameters. Although this choice
was done to limit model complexity, it is not unreasonable to think that leaching rate
could set the pace of microbial biomass accrual through a priming effect of soluble
litter compounds on growth and activity of early colonizers (as suggested by results
of Bärlocher, 1992). An explicit expression for this mechanism might be found but
this will be at the expense of a greater complexity of the model.

Despite its inherent simplicity, the “toy” model described here is likely to produce
realistic decomposition curves based on reasonable parameter values (Fig. 19.3).
Furthermore, analysis of model equations can yield insights into patterns of litter
decomposition and its determinants. For instance, Eq. 19.16 suggests that decay rate
of non-leachable organic matter is likely to change during decomposition unless
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Fig. 19.2 Empirical relationship between per capita decomposer effect and detrital mass during
decomposition of alder leaf litter. Data are extracted from results of the litterbag experiment
published by Hieber and Gessner (2002). Points represent mean values of M and β for different
sampling dates. β was recalculated based on decomposer biomass data (mean values) using
Eq. 19.14. I assumed the per capita decomposer effect to be 0.057, 0.4 and 3.3 d−1 for fungi,
shredders and bacteria, respectively. The dataset was then used to estimate parameters of Eq. 19.15
using nonlinear least-square regression
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Fig. 19.3 Observed and reconstructed pattern of decomposition of alder (Alnus glutinosa) leaf
litter. Points are mean values (M0 = 5.2 g) of litter mass remaining in coarse mesh bags exposed in
a stream. Data were extracted from the paper of Hieber and Gessner (2002). The curve was obtained
by the mean of numerical simulation of the “toy” model presented in this chapter. The fraction of
leachable organic matter (α) in alder leaf litter was set to 24%, a value used in a previous modelling
study (Dang et al., 2009). In the latter work, a high leaching rate was assumed (ca. 0.6 d−1) because
alder leaf litter was previously air-dried. Empirical results displayed here were obtained with fresh
alder leaves and therefore leaching rate was set to a substantially lower value (k1 = 0.1 d−1). Model
parameters for biotically-mediated decomposition were estimated based on decomposer biomass
and per capita effect reported in Hieber and Gessner (2002): Bmax = 0.4 g, b = 0.25 d−1, c = 0.22
(see Fig. 19.2)

we have c = −1. The latter condition would be satisfied if the per capita decom-
poser effect decreased with detrital mass as predicted by the hyperbolic function
b/(M0 − Mt ) with Mt < M0. This pattern can arise due to bottom-up control on
litter decomposition; as decomposition proceeds, detritus quality decreases and so
should the per capita decomposer effect. However, this is inconsistent with reports
suggesting that least efficient decomposers (i.e., fungi) colonize detritus first whereas
most efficient decomposers (shredders and bacteria) become prominent in inter-
mediate and late decomposition stage. One may thus speculate that time-varying
decay rate is a manifestation of predominantly top-down controlled litter decom-
position whereas prevalence of bottom-up constraints (i.e., litter quality) across all
decomposition stages results in constant litter decay rate.

19.6 What Everyone Should Know About Statistical
Estimation of Litter Decay Rate

Virtually all empirical studies of litter decomposition aim to quantify how fast litter
disappears from the system. Calculation of a single time-invariant decay rate (i.e.,
the Olson’s k-value) has been by far the most common approach used by freshwater
scientists. Choosing a calculation method among multiple possibilities offered by
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modern statistics is not a trivial task. When mass loss data are collected at more
than one timepoint (besides initial detrital mass), regression technics can be used.
Two best-known alternatives are (1) classical linear regression of log-transformed
mass data vs time and (2) non-linear regression based on least squares or maximum
likelihood estimates. Though both methods are generally viewed as interchangeable,
they make different assumptions about residual error distribution (ε) and, therefore,
may yield different estimates of litter decay rate (noted hereafter as k

∧

). In linear and
non-linear regression, errors are assumed to be additive and to conform to a normal
distribution (N ) with a mean of zero and standard deviation σ . The linear regression
model with log-transformed mass data can thus be written as:

ln(Mt ) = ln(M0) − k
∧

t + ε, ε = N (O, σ ) (19.17)

If we take the antilog of both sides of Eq. 19.17, ε becomes a multiplicative term:

Mt = M0e
−k

∧

t eε (19.18)

Equation 19.18 can be rewritten in the form: Mt = M0e−k
∧

t + h(t) where h(t) =
(eε − 1)M0e−k

∧

t . This shows that residual error gets smaller as M decreases. In
contrast, residual error is assumed to be constant over time when litter decay rate is
estimated through non-linear regression analysis of untransformed mass data.

Log-transformation does not only influence the assumption of homoscedasticity
but also the nature of residual distribution as eε (Eq. 19.18) has a log-normal distri-
bution. It is unclear which assumption best matches the observed distribution and
variance pattern of residual errors. As detrital mass values are bounded within a finite
range (i.e., between 0 and M0), the residual distribution may exhibit right skew-
ness in the initial decomposition stage and left-skewness as detritus mass remaining
approaches zero (Laliberté et al., 2012). In addition, errors may be smaller at both
ends of the detrital mass range and higher on the mid-decomposition stage, when
decomposers override more predictable physical factors (e.g., leaching) in medi-
ating decomposition. Hence, if litter mass data are collected across all decomposition
stages, it is plausible that neither linear regression of log-transformed mass data nor
non-linear regression of untransformed data provides an optimal solution for esti-
mating litter decay rate. Although advanced statistical technics make it possible the
specification of complex error patterns (e.g., Laliberté et al., 2012), failure to correctly
identify error distribution and variance patterns, as well as often low sample sizes,
may lead to unreliable estimate of k-value. It has been argued that non-linear regres-
sion is more robust against departure from assumption of constant and normally
distributed errors than linear regression (Adair et al., 2010; Laliberté et al., 2012).
Alternatively, it is worth considering robust regression technics which might be even
better to deal with complex error patterns and influential points (Maronna et al.,
2019).
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Selection of appropriate statistical methods for estimating k-value is only part of
the problem since the assumption of constant decay rate might, in fact, be wrong.
Investigators should be able to detect situations where the Olson’s model fails to
describe empirical decomposition data. Low precision (i.e., standard error and confi-
dence intervals) of estimated k-value and low model R-square should be taken as
evidence that litter decay rate is not constant. When replicate measurements are
taken on each sampling time, a lack-of-fit test is useful to determine whether unex-
plained variance in litter mass data is due to significant deviation between observed
and expected (here the Olson’s model) decomposition curves or just due to pure
error (i.e., time-independent variation among replicates; e.g., Hanson et al., 1984).
Particular attention should also be paid to the pre-exponential constant in the nega-
tive exponential model (i.e., M0), as a mismatch between observed and expected
values may be a common manifestation of time-varying decay rate. Some authors
have claimed that M0 ought to be set to the expected value (Adair et al., 2010). This
makes sense since estimated and expected values of M0 should be identical when
decomposition proceeds at a constant rate. In contrast, there is no reason to expect
systematic convergence of estimated and expected parameters when litter decay rate
varies within the timeframe of the study. As such M0 should be freely estimated to
ensure that model assumptions for regression analysis are met.

If a single decay rate is to be used to summarize temporal patterns of plant litter
decomposition, it is important to ask whether k

∧

is representative of the true distribu-
tion of kt . As the empirical and true distributions are generally unknown, it is unclear
whether k

∧

represents a central tendency or any typical value of the distribution. This
gap can be addressed through simulations and analysis of models of litter decom-
position. An example is provided here (cf. Figure 19.4 and Table 19.2). Analysis of
the simulated decomposition curve presented in Fig. 19.3 indicates that litter decay

0 10 20 30 40 50

0.02

0.04

0.06

0.08

0.10

0.12

0.02 0.04 0.06 0.08 0.10 0.12

0

2

4

6

8

10

12

Li
�e

rd
ec

ay
ra

te
 k

(d
-1

)

Time (d) Li�er decay rate k (d-1)

Fr
eq

ue
nc

y

ba

Fig. 19.4 Temporal pattern (a) and distribution (b) of litter decay rates calculated for the simulated
decomposition curve presented in Fig. 19.3. The mean value is indicated by a dash line on each
graph
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Table 19.2 Effects of sampling scheme (number and location of timepoints) and curve fitting
procedure (floating vs fixed intercept) on litter decay rate (k) estimated by the mean of the Olson’s
model fitted to simulated data. The decomposition curve shown in Fig. 19.3 was used to calculate
expected litter mass remaining that was rescaled to M0 = 1. Five replicate points were generated
for each sampling date by adding random normal error (mean= 0, SD= 0.06) to predicted fraction

of litter mass remaining. Maximum likelihood non-linear estimation was used to compute M0

∧

and

k
∧

. Unless specified (ns), all estimates are significant at P < 0.05

Sampling scheme Floating intercept Intercept forced to
M0

Number of time
points

Sampling dates
(days)

M0

∧

k
∧

k
∧

1 20 0.02931

1 50 0.05742

3 7, 20, 50 1.19 0.04418 0.03530

3 3, 7, 20 1.03ns 0.03040 0.02795

5 7, 14, 28, 40, 50 1.25 0.04780 0.03743

5 3, 7, 14, 20, 28 1.06ns 0.03447 0.03044

5 14, 20, 28, 40, 50 1.64 0.05712 0.03655

rate varies broadly (over ca. fivefold range; Fig. 19.4). Importantly, litter decay rate
estimated using the Olson’s model displays considerable variation depending on the
sampling scheme (the number and distribution of timepoints at which litter mass
remaining is determined) and whether or not the preexponential constant is fixed to
initial littermass (Table 19.2). Irrespective of the investigator’s choices, the estimated
k-value is always lower than the expected mean value (0.062 d−1), conceivably due
to a strong leverage effect of data points collected at early stage of litter decom-
position in this particular case study example. Moreover, the difference between
estimated and expected values for k is the smallest when the preexponential constant
is specified as a floating intercept in the regression model (Table 19.2). Based on this
example, it should be expected that the Olson’s model is not suitable to provide a
reliable and representative value describing the distribution of litter decay rate when
the decomposition trajectory conforms to complex models.

19.7 Towards a Pragmatic Approach to Quantitative
Analysis of Empirical Decomposition Curves

Fitting multiparameter models to empirical decomposition curves is the most
widespread way of dealing with time-varying decay rate (e.g., Cornwell & Weedon,
2014). This approach requires that model complexity (and hence the number
of parameters to estimate) is commensurated with amount of data available to
describe decomposition curves. Investigators often rely on modest sample sizes,
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thus precluding the use of appropriate models with too many parameters. Besides,
the use of most complex kinetic-based models should be refrained due to conceptual
flaws owing to ecological rationale grounded in a bottom-view of plant litter decom-
position. The two-compartment kinetic model (Model C in Table 19.1) ensures quan-
tification of the dynamics of leachable and non-leachable organic matter assuming
first-order kinetic principle and, therefore, can be viewed as a realistic extension of
the Olson’s model. Some parameters (i.e., fraction of leachable compounds and/or
leaching rate) can be fixed a priori to limit the number of parameters to be estimated
later. However, as discussed in Sect. 19.5 of this chapter, non-leachable organic
matter may not disappear at a constant rate, notably if decomposers control litter
decomposition.

Characterization of the distribution of litter decay rate provides an alternative
strategy to analyze empirical decomposition curves. It is important to keep in mind
that litter decay rate is defined in a way that ensure direct calculation without
the requirement of parametric statistical estimation methods. As litter decay rate
measures a proportional change in litter mass remaining through time, the following
formula ensures its calculation at any time point or interval:

kt = −d[ln(Mt )]
dt

(19.19)

Equation 19.19 is implicitly used to calculate litter decay rate when decomposi-
tion curves are characterized solely by initial and final values of litter mass (e.g.,
Woodward et al., 2012). It is also relevant to analyze data of litter mass remaining
determined at several time points (Fig. 19.5).

Plant litter decomposition research often aims at understanding the control of
biotic and abiotic factors on the pace of litter decomposition. Many factors are likely
to affect more strongly decomposer-mediated decomposition than leaching. It thus
may be useful to obtain estimates of litter decay rate at different stages of litter
decomposition, e.g., when leaching is thought to be the main driver of litter mass
loss and, in later stages, when decomposer activity is a prevalent. As themagnitude of
decomposer effect may change through time, several estimates of k may be required
to properly describe later decomposition stages.Alternatively, the number of k-values
to be extracted from data may be driven by the identification of breakpoints on graph
of ln(Mt ) vs time (Fig. 19.5). Piecewise regression analysis offers an integrative
solution to estimate values for breakpoints and slope (i.e., k

∧

) of each segment. It may
also be used to test the hypothesis of constant decay rate, i.e., through a comparison
of linear vs piecewise regression models. A reasonable advice is that the number
of segments corresponding to stages of litter decomposition for which we want to
estimate k should be proportionate to the number of sampling dates.
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Fig. 19.5 Schematic description of a pragmatic approach for quantifying plant litter decomposition
based on point measurements of litter mass during decomposition

19.8 Final Remarks

Despite major scientific advances in understanding spatial patterns and drivers of
plant litter decomposition in freshwaters made over the past two decades, empir-
ical research in this field still lacks solid grounding in quantitative theories. This
pitfall manifests through a blind reliance on the constant-decay rate assumption
when it comes to summarize results of empirical studies. Surely aquatic ecologists
cannot be blamed for embracing the principle that “all models are wrong, but some
(here the Olson’s model) are useful”. It is, however, important that everyone recog-
nize that litter decomposition is unlikely to proceed at a constant rate and, there-
fore, complex models are required to achieve accurate description of decomposition
curves. The assumption of time-varying decay rate is prevailing in terrestrial decom-
position research wherein kinetic-based models are commonly used for quantita-
tive assessment of stocks and flows of organic matter and major chemical elements
(e.g., C) within (e.g., soil) and across ecosystem compartments. Such models largely
developed by terrestrial ecologists are potentially useful to investigate how time-
varying decay rate drives the polymorphism of decomposition curves, an issue that
has received little attention in aquatic decomposition research.

The residence time of plant litter is presumably smaller in aquatic habitats than
in soils and, therefore, litter decay rate is more likely to experience variations owing
to natural environmental fluctuations (e.g., climatic factors) in the latter than former
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habitat. However, the frequent use of the “degree-days” correction in aquatic studies
indicates that investigators are aware of the role of short-term environmental vari-
ability inmediating time-varying decay rate. Time-varying decay rate also pertains to
detritus heterogeneity and litter colonization by decomposers. While decomposition
models have been developed to incorporate the effect of detritus heterogeneity on
decay rate (cf. compartment and continuous models), it is still unclear how decom-
posers mediate time-varying decay rate. This can be investigated by the mean of
process-based models incorporating change in decomposer biomass, activity and
diversity during decomposition. Efforts to develop such models are still required to
take better account of all decomposer groups, including detritivores, and the way
they interact with each other. Aquatic ecologists are expected to play a leading role
in achieving this endeavor since top-down regulation of plant litter decomposition is
a primary focus of research in aquatic ecosystems. As effects of decomposers and
litter quality on decomposition are intricately linked, the development of quantita-
tive theories of plant litter decomposition should ultimately aim at merging views of
top-down and bottom-up regulation of decomposition.

The use of wrong models to analyze empirical data from studies on plant
litter decomposition raises question about the actual meaning of model parameters
presented in published articles. TheOlson’smodel is likely to produce a range of esti-
mates for litter decay rate depending on the sampling scheme and statistical estima-
tion method. As litter quality and decomposer community may shape decomposition
curves, the k-value yielded by the Olson’s model may not ensure proper compar-
isons among litter species and/or across sites. These methodological flaws may
plague global analyses of plant litter decomposition rate in freshwaters, wherein focal
patterns of litter decay rate (e.g., effects of temperature or nutrient) are blurred in large
unexplained variations (Follstad Shah et al., 2017; Woodward et al., 2012). Ways for
improving the quality of decomposition data reported in primary studies include
systematic evaluation of the time-invariance assumption, calculation of several esti-
mates of litter decay rate instead of a single poorly defined constant, and identifica-
tion of range(s) of decomposition stage covered by reported model parameters. Such
information is key for furthering our understanding of broad-scale patterns of litter
decomposition and linking biological rates to rates of biogeochemical cycling.
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Chapter 20
Design and Analysis of Laboratory
Experiments on Aquatic Plant Litter
Decomposition

Julia Reiss, R. A. Bailey, and Daniel M. Perkins

Abstract Microcosm studies are a useful tool when it comes to studying leaf litter
decomposition but designing and analysing them can be a tricky path with many
pitfalls. Because there is a plethora of drivers of leaf decomposition, it is important
to be precise about the scientific questions that can be addressed with microcosm set-
ups, and to use experimental designs that haveminimal logistic implications but, at the
same time, high statistical power. In this chapter, we first set the scene by introducing
a hypothetical study that has the aim to estimate how leaf decomposition is driven by
different decomposers and abiotic conditions. Following from this scenario, we give
an overview of the main biotic and abiotic drivers of leaf decomposition that will
play a role in laboratory settings (with special attention to consumer species identity,
species richness, body size and metabolic capacity, and also temperature, time scales
and stressors). We then explain how to design and analyse laboratory experiments
on aquatic leaf litter decomposition including the mathematics for calculating the
metabolic power of leaf decomposers and some statistical models. Further three case
studies are given—highly controlled experiment that can be analysed by analysis of
variance.

20.1 Introduction

Leaf litter falling into streams and rivers links energy flow from the terrestrial envi-
ronments to the aquatic realm and is an important ecosystem process that mobilises
large amounts of carbon and other nutrients (Abelho, 2001;Marks, 2019). The extent
to which leaves are decomposed, and energy is recycled in the aquatic realm, depends

J. Reiss (B) · D. M. Perkins
Department of Life Sciences, Whitelands College, Roehampton
University, London SW15 4JD, UK
e-mail: julia.reiss@roehampton.ac.uk

R. A. Bailey
School of Mathematical Sciences, Queen Mary University of London, London E1 4NS, UK

School of Mathematics and Statistics, University of St Andrews, St Andrews, Fife KY16 9SS, UK

© Springer Nature Switzerland AG 2021
C. M. Swan et al. (eds.), The Ecology of Plant Litter Decomposition
in Stream Ecosystems, https://doi.org/10.1007/978-3-030-72854-0_20

455

http://crossmark.crossref.org/dialog/?doi=10.1007/978-3-030-72854-0_20&domain=pdf
mailto:julia.reiss@roehampton.ac.uk
https://doi.org/10.1007/978-3-030-72854-0_20


456 J. Reiss et al.

on a plethora of abiotic and biotic factors, and thesemight change and vary with time;
and it is often these drivers that are the focus of a microcosm study in the laboratory.

Indeed, laboratory experiments, using aquatic microcosms, offer a way to disen-
tangle which factors drive leaf decomposition (and if they act in synergy or antag-
onistically), given they are designed and analysed in a meaningful way. In general,
tightly-controlled microcosm experiments offer a window into the complexity of
nature (e.g., Bell et al., 2005), and many such studies have been carried out with leaf
decomposers (e.g., Flores et al., 2016; Gonçalves et al., 2019; Jonsson &Malmqvist,
2000; Perkins et al., 2015; Risse-Buhl et al., 2015). A typical critique of microcosm
studies is that they do not represent nature in a way field studies do; however the
latter can often be criticised for not elucidating the mechanisms behind the observed
patterns/phenomena. Highly controlled experiments can most relevantdeliver in this
regard (Benton et al., 2007) because they can point to the mechanisms, i.e., they
can produce the parameters that can be fitted in mathematical models (they inform
modelling). Benton et al. (2007) point out how important it is to find these intrinsic
mechanisms and how microcosm experiments can short-cut and ‘speed up’ insights
from long-scale field work.

Many research groups have studied leaf litter decomposition in microcosm set-
ups (Gonçalves et al., 2019; Pascoal et al., 2010; Perkins et al., 2015; Reiss et al.,
2011) because not only is this an important ecosystem process but also it is possible
to run experiments with little costs in terms of consumables. Leaf decomposition is
further a process that can easily be monitored in microcosms and it is possible to
replicate the decomposer communities. In fact, it is even difficult to exclude some
leaf consumers such as bacteria and fungi from the laboratory as they ‘travel’ with
the leaves from the field to the laboratory—in some cases even when the leaves are
dried.

There is an unavoidable trade-off between replication and realism in all laboratory
experiments and it is important to be precise about which questions can be answered
in laboratory settings. Further, a central objective of these experiments is that they are
planned and analysed in the best possible way and this chapter will give an overview
of pitfalls and solutions to studying leaf litter decomposition in the laboratory.

Because this chapter will tackle only some aspects of designing and analysing leaf
decomposition experiments, we have highlighted literature that has many relevant
references cited within and that will help with further reading (see also Tables 20.1
and 20.2). It is helpful to read this chapter in conjunction with Chap. 21, where a
number of approaches have been described for field experiments; and to consult the
textbooks ‘Methods to study litter decomposition: a practical guide’ (Bärlocher et al.,
2020) and ‘Methods in stream ecology’ (Hauer & Lamberti, 2007).

There are a number of exciting aspects of leaf decompositionwe have not explored
in detail in this chapter, such as other experimental designs that require other statis-
tical analysis such as generalized additive mixed models (GAMM), explanations of
consumer species in detail (Chaps. 9–11), or food web interactions and implications
for decomposition (Chap. 7). We would like to refer the reader to other chapters
and literature when it comes to the general theme of energy transfer from leaves
to consumers which includes topics such as the role of nutritional value of leaves
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Table 20.1 Drivers of leaf decomposition discussed in this chapter that should be considered in
laboratory experiments with leaf decomposers

Drivers of leaf decomposition Explanation Examples

Species identity Species vary in their
contribution to leaf
decomposition and in terms of
their preferences (Bärlocher
et al., 2020; Tachet et al.,
2010)

Reiss et al. (2011), Swan and
Palmer (2006) and Treton et al.
(2004)

Biodiversity If different species, different
genotypes or different
functional groups (and other
entities of ‘biodiversity’)
influence each other’s
performances, or contribute to
different pathways in leaf
decomposition, then
biodiversity influences this
ecosystem process (Reiss
et al., 2009)

Andrade et al. (2016), Flores
et al. (2016), Perkins et al.
(2015) and Reiss et al. (2010,
2011)

Interactions between leaf
decomposers

All individuals within an
ecosystem are connected via
vertical and horizontal
linkages, for example within
the food web. For instance,
feeding interactions (trophic
cascades) can alter leaf
decomposition rates (Reiss
et al., 2009)

Chambord et al. (2017), Duarte
et al. (2006), Foucreau et al.
(2013), Mille-Lindblom et al.
(2006), Ribblett et al. (2005),
Risse-Buhl et al. (2012, 2013)
and Treton et al. (2004)

Body mass and metabolic rate The performance of a leaf
decomposer will depend on
how large the organism is
because large organisms have
higher metabolic rates
compared to smaller ones
(Brown et al., 2004)

Flores et al. (2016) and Reiss
et al. (2011)

Biomass It is important to know
whether total biomass is
composed of small or large
individuals, because the
former will exhibit higher
process rates for a given unit
of mass (small organisms
have a higher metabolic rate
per unit of body mass)
(Brown et al., 2004)

Reiss et al. (2011)

(continued)
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Table 20.1 (continued)

Drivers of leaf decomposition Explanation Examples

Metabolic capacity The metabolic capacity of an
assemblage is its potential to
contribute towards a certain
process (e.g., to decompose
leaves) (Brown et al., 2004;
Gillooly et al., 2001; Peters,
1983).

Flores et al. (2016) and Perkins
et al. (2010)

Temperature—metabolic
capacity

The metabolic capacity of an
assemblage increases with
temperature until the
organisms surpass their
temperature optimum
(Gillooly et al., 2001)

Martínez et al. (2014) and
Perkins et al. (2010, 2015)

Temperature and
time—reproductive potential
of consumers

Generation time (and other
related characteristics such as
fungal sporulation rate)
increases with temperature
until the species’ temperature
optimum is reached (Gillooly
et al., 2001; Reiss &
Schmid-Araya, 2010)

Martínez et al. (2014)

Temperature—chemical
processes

The higher the temperature,
the quicker the chemical
reactions, such as leaching of
phenols from the leaves
(Abelho, 2001; Bärlocher,
2005)

We are not aware of laboratory
studies testing a range of
temperatures in the absence of
organisms

Effects of time and effects of
chemical processes

Leaf decomposition changes
over time (e.g., because
consumer composition
changes Abelho 2001). In a
laboratory set-up it has been
shown how leaching changes
over time, at 20 °C (France
et al., 1997) for example

France et al. (1997)

Stressors Stressors such as water
pollution (Ormerod et al.,
2010) can affect leaf
decomposers and hence
decomposition. Further, they
can have direct, chemical
effects (e.g., on water pH)

Canhoto et al. (2017),
Gonçalves et al. (2019) and
Pascoal and Cássio (2004)

(continued)



20 Design and Analysis of Laboratory Experiments … 459

Table 20.1 (continued)

Drivers of leaf decomposition Explanation Examples

Other Other factors influence leaf
decomposition. Examples are:
habitat complexity (modulates
interactions); nutritional value
of leaves, water chemistry
(e.g., oxygen concentration)
or water current (sheer stress)

Flores et al. (2016), Larrañaga
et al. (2014) and Risse-Buhl
et al. (2013)

for consumers (Chap. 3; Jabiol et al., 2019; Larrañaga et al., 2014), for example
by using stoichiometric approaches (Chapter 3; Farrell et al., 2018), a focus on leaf
species diversity as such (Larrañaga et al., 2014; Martínez et al., 2013), the changes
in resource quality over time (Chap. 19; Canhoto & Graça, 1996) and switch of
consumer assemblage over time (e.g., because of seasonal changes). The focus of
this chapter is very much on the consumers rather than the food resources (leaves).

In this chapter, we start with a hypothetical study that has the aim to estimate how
biodiversity of consumers drivers leaf decomposition to ‘set the scene’. Following
from this scenario, we give a synthesis of possible drivers of leaf decomposition,
followed by an overview of how to design and analyse leaf litter experiments in
general. We illustrate the latter by explaining experimental set-ups that have been
used in laboratory-based freshwater research and make suggestions for meaningful
experimental designs with minimal logistic implications. Finally, we give three case
studies to illustrate the importance of meaningful experimental design and analysis
when it comes to leaf decomposition experiments. These case studies have in common
that they are highly controlled and can be analysed by analysis of variance.

20.2 Planning Leaf Decomposition Experiments
in the Laboratory—Where to Start?

Leaf decomposition is the sum of chemical and physical processes (Chap. 2), and
organisms interacting with the leaves, while interacting with each other as well as
with their abiotic environment. To approach this complex concept let us imagine an
enthusiastic PhD student. She has identified that the freshwater shrimp Gammarus
spp. and the freshwater hog louseAsellus spp. are abundant macroinvertebrates in the
local streams, and are therefore likely to play an important role in leaf decomposition,
but she is aware that other invertebrates such as insect larvae can graze on leaves and
that tiny crustaceans such as Cyclops spp. can also graze on leaf biofilm. She wants
to find out which species is the most efficient in terms of breaking leaves down, by
feeding on them, andwhether a combination of different species results inmaximised
leaf mass loss. The PhD student has a good understanding of the autecology of
freshwater crustaceans, and she knows that within the species individuals vary. For



460 J. Reiss et al.

Table 20.2 Body mass as a driver of leaf decomposition and ways to measure the impact of this
predictor

Calculation for… Equation Abbreviations Worked example for an
assemblage of 5
individuals of Asellus
aquaticus (all 10 mm
long and 2.5 mm wide),
at 15 °C

Body mass (M) of
one individual

The equation is
species-specific. If the
equation is unknown, the
volume (V) of the
individual can be
calculated from a
geometric shape (e.g., a
spheroid) and V can be
converted to mass by
knowing the density of
the organism (often 1.1).
For example, the volume
of a spheroid is V =
L*W2 * π/6. V is
converted to WW by
assuming a density of 1.1.
DW can be assumed to be
25% of wet weight
(WW). After (Reiss &
Schmid-Araya, 2010)

Where V = volume
in mm3 (i.e.,
microlitres); L =
length in mm; W =
width in mm; WW
= wet weight in μg
(as 1 μg =
1 mm3); DW = dry
weight in
μg—converted to
mg by multiplying
with 1000

Asellus aquaticus
specific equation from
Reiss et al. (2018) (mg,
mm): log10(M) =
2.652 * log10(L) – 1.841
= 6.4 mg DW
If calculated as a
spheroid then DW =
9 mg

Assemblage
biomass (AB)

AB =
∑

M * N Where M is
individual body
mass (e.g., dry
weight, mg) and N
is abundance (e.g.,
ind./m2)

AB (mg) = 6.4 mg *5 =
32 mg DW

Metabolic capacity
(MC) of a consumer
assemblage, based
upon general
allometric-body
size scaling
relationships

MC =
∑

(per capita
M3/4)

Where M is
individual body
mass (e.g., dry
weight, mg). The ¾
exponent used here
describes a general
relationship
between basal
metabolic rate and
body size and has
been applied to
describe the
allometric scaling
of basal metabolic
rate across wide
range of organisms
(see Brown et al.,
2004; Peters, 1983)

MC (mg)=
∑

(6.43/4) =
20 mg DW

(continued)
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Table 20.2 (continued)

Calculation for… Equation Abbreviations Worked example for an
assemblage of 5
individuals of Asellus
aquaticus (all 10 mm
long and 2.5 mm wide),
at 15 °C

Assemblage
metabolism (I) is
MC—but
incorporates the
effects of
temperature. This
equation yields
predicted values for
the expected rate at
which resources
should be consumed
by each assemblage,
based upon the sum
of the metabolic
capacities of all
individual
consumers in
addition to the
environmental
temperature

I = i0 M¾ e−Ei/kT Where, i0 is a
normalisation
constant that
converts mass to
energy and which
is empirically
derived, M = body
mass, e = Euler’s
number, Ei is the
activation energy
of respiration
(0.63 eV; after
Gillooly et al.,
2001), k = the
Boltzmann
constant in eV per
Kelvin and T =
temperature in
Kelvin

This equation depends
on results of a leaf
decomposition
experiment, i.e.,
depends on the
empirical data and an
empirically derived
value for i0; and hence
we cannot give a worked
example here—but see
Perkins et al. (2010) and
Fig. 20.2 for example
data. i0 can be derived
through calculating the
anti-log of the intercept
for the relationship
between metabolic
capacity and
temperature corrected
decomposition on a
log-log plot

example, the crustaceans will reproducemore than once a year in nature and different
sized individuals will be present at different times of the year (i.e., there are small,
still growing individuals, as well as males and females). The feeding activity of
these individuals is strongly influenced by temperature as they are ectotherms, but
other factors such as a suitable habitat play a role; and their growth and reproduction
depend on many factors including the quality of their food and water temperature.
For her experiments, it will be impossible to separate these crustaceans from bacteria
and fungi in the water and these organisms also decompose leaves so she would like
to include fungal species in her design.

Obviously, she is faced with a complex jigsaw puzzle if she tries to answer a
seemingly simple question. Here we will make an attempt to assemble this puzzle,
piece by piece (Fig. 20.1) with reference to pivotal literature (see also Tables 20.1
and 20.2), with the knowledge that it will make sense only from a particular point
of view (for a selected pool of questions) and an appreciation for the fact that not all
pieces of the puzzles are known (Fig. 20.1).
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a)

species identity 
species richness 
body size 
temperature
time scales
metabolic capacity

d)

c)

b)

Fig. 20.1 a Leaf decomposition in aquatic microcosms is strongly driven by the presence of leaf
decomposers and abiotic conditions; b the main drivers of leaf decomposition should be considered
in leaf decomposition experiments; c ecological theory provides some tools for anticipating the
scale of leaf decomposition because it considers organism traits such as body size and tempera-
ture; d laboratory experiments are designed to address particular questions, with particular leaf
decomposers, and even complex set-ups can be run in logistically feasible ways

20.3 Biotic and Abiotic Factors to Consider in Leaf
Decomposition Experiments

Many biotic and abiotic factors drive leaf decomposition and in the following sections
some of them will be discussed in more detail (consumer species identity, species
richness, body size and metabolic capacity, and also temperature and time scales;
see Table 20.1).
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20.3.1 Species Identity Drives Leaf Decomposition

A consortium of organisms decomposes leaves in streams and rivers; and bacteria,
fungi and animals all play pivotal roles (Hieber&Gessner, 2002). Fungi are an impor-
tant component of decomposer assemblages associated with plant litter in streams
(Gessner et al., 2010) and macro-invertebrates feed on both fungi and leaf mate-
rial (Canhoto & Graça, 2008). The fact that a group of macroinvertebrates has been
dubbed ‘shredders’ indicates that there are species that are specialised in shredding
leafmaterial and indeedwewould expect such species to decompose leaves faster and
more efficiently than other species. Clearly ‘true’ leaf litter feeding requires the exis-
tence of endogenous cellulases (fungi and shredders) or exocellulases (free living
bacteria and endosymbiotic bacteria) (Zimmer, 2005). For example, snails might
graze on leaf biofilm and indirectly aid the decomposition of leaves but they do not
feed on as much leaf material as Gammarus which is a leaf shredding amphipod
that has, just like the freshwater hog louse Asellus, endosymbiotic bacteria in its
gut that can break down cellulose (Zimmer, 2006) (however—a word of caution:
Gammarus and Asellus are strictly speaking omnivorous). Species identity, or at
least a specific combination of traits, can therefore be an important driver of leaf
decomposition—although surprisingly few studies have tested this. For example, the
larvae of the cased caddisfly Sericostoma are very efficient in shredding leaves fast
(e.g., González & Graça, 2003; Reiss et al., 2011), which is possibly due to its large
size and high metabolic demands (see Sect. 3.2), but, of course, it is conceivable that
they also possess very efficient cellulases, or gut symbionts.

20.3.2 Body Size, Biomass and Metabolic Rate Drive
Ecosystem Processes: Calculating Metabolic Capacity

Earth’s biota regulates numerous fluxes of energy and matter, including carbon
uptake, nutrient cycling and oxygen production. When measured at local scales,
these rates are referred to as ‘ecosystem processes’ and leaf decomposition is such a
process. The activity of all organisms on Earth is constrained by the laws of physics
and chemistry and this simple fact can be of immense help when studying ecosystem
processes such as leaf decomposition because all organisms can operate only within
the (mathematical!) limits of natural laws. This becomes apparent when studying
metabolism and how this relates to the size of an organism, and, in turn, to how the
organism can contribute towards ecosystem processes. Body size and metabolism
are a hot topic in Ecology (Whitfield, 2004) because metabolism ‘sets the pace of
life’ and drives processes across levels of biological organisation (from individuals to
ecosystems; Brown et al., 2004). As a consequence, body mass is clearly a trait that
needs to be considered when we study processes driven by organisms because body
mass determines the basal metabolic rate, energy demands and ingestion rates of an
individual (Brown et al., 2004; Perkins et al., 2012; Peters, 1983; Reiss et al., 2009;



464 J. Reiss et al.

Woodward et al., 2005). It follows that the performance of an assemblage is the sum
of the metabolic power of its constituent individuals; or phrased in a different way;
the body-mass vs biomass distribution in that assemblage. It is hence not surprising
that there is a growing number of studies starting to consider the role of body size
and biomass in experiments that address ecosystem process rates (Flores et al., 2016;
McKie et al., 2008; Perkins et al., 2010; Reiss et al., 2010, 2011). Species identity
is often confounded with body mass and using many differently sized individuals
within a species or among species circumvents this problemand allowsdistinguishing
between taxonomic and functional diversity and developing a more general mech-
anistic and predictive framework. Hence, we argue here that many future studies
on leaf decomposition would profit from taking the body mass distribution of the
leaf consumers into account and we encourage a more theoretical approach to leaf
decomposition.

Because the activity of organisms can be understood through physical laws, such
as laws of mass and energy balance, and thermodynamics, it is possible to use param-
eters such as body size and temperature (see Sect. 3.3) to predict how effective an
assemblage of individuals will be when it comes to decomposition of leaf litter. A
potentially promising approach to link the effects of body mass and temperature on
ecosystem processes is through the application of the “Metabolic Theory of Ecol-
ogy” (MTE) (sensu Brown et al., 2004). Building upon well-established body size
allometries (Peters, 1983) and temperature scaling based upon first order physical
principles (Gillooly et al., 2001), the MTE can be used to make quantitative predic-
tions about a wide range of biological processes across levels of organisation (Brown
et al., 2004). Leaf decomposition is the amalgamation of leaf feeding by different
consumers. The feeding rate of each consumer species is, in turn, strongly connected
to the body mass of individuals. If the body size distribution and abundance of leaf
decomposers is known then it is possible to calculate metabolic rates (which corre-
late strongly with leaf decomposition) of individuals (Table 20.2) and those of entire
assemblages (the so called ‘metabolic capacity’ [sensu Ruesink & Srivastava, 2001];
also called ‘metabolic potential’, see Table 20.2).

To summarise the above, given that allometric scaling relationship between indi-
vidual bodymass andmetabolism is less than unity (Brown et al., 2004), the spectrum
of individual body sizes characterizing a given assemblage is important in deter-
mining process rates. In the following sections we will shortly dive into more details
about one important aspect of this, which is not necessarily intuitive.While an assem-
blage composed of larger individuals may have a higher total metabolic capacity, an
assemblage composed of small individuals will exhibit higher mass-specific process
rates (Peters, 1983). To illustrate the latter, let us imagine a hypothetical experiment
with two crustaceans: Asellus and Cyclops. Individuals of Asellus are much larger
than individuals of Cyclops but their metabolic rate per unit body mass is lower. This
means that, if these two species are used in a laboratory setting, then Cyclops assem-
blages will consume more food over time compared to Asellus—given the biomass
of the two assemblages is the same. Hence, small animals ingest more food in rela-
tion to their own body mass compared to larger organisms. Applying this knowledge
to experimental microcosm set-up means it is extremely important to calculate the
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metabolic capacity (Table 20.2). Indeed, instead of adjusting for number or biomass
(as done in most leaf decomposition experiments), the ‘metabolic capacity’ should
be calculated (see Table 20.2). Metabolic capacity is a proxy for how much energy a
given assemblage will use and how fast it will use it. In terms of adding individuals
to microcosms, adjusting for metabolic capacity will always result in a lower number
of small individuals (compared to larger individuals) than adjusting for the biomass,
as the following example explains. Picture two microcosms, one for an Asellus only
treatment and one for a Cyclops only treatment; and the aim is to control for body
mass differences in these assemblages. Assuming we use very small Asellus indi-
viduals that are 6.6 mm long on average (~2.14 mg dry weight [DW]) means they
weigh almost 71 times more than Cyclops (~1.6 mm long, 0.03 mg DW). Hence,
when biomass is accounted for, 71 more Cyclops individuals are added for each
Asellus individual. However, adjusting for metabolic capacity means that only 18
times more Cyclops are added for one Asellus individual (see Table 20.2 and for an
example see Flores et al., 2016). Metabolic capacity can be a strong predictor of
leaf decomposition (Fig. 20.2) and can also be extended to incorporate the effects of
temperature (Fig. 20.2), as explained towards the end of Sect. 3.3.

Fig. 20.2 Metabolic capacity of invertebrate shredders and environmental temperature drive leaf
decomposition in microcosm experiments. Data are redrawn from Perkins et al. (2010). Symbols
denote species richness levels (circles = mono-cultures, triangles = di-cultures and squares =
tri-cultures) and symbol colours represent temperature treatment (blue = 5 °C, green = 10 °C and
red = 15 °C). a Leaf decomposition increases linearly withmetabolic capacity with greater absolute
rates (higher intercept values) with increasing temperature. b When incorporating the effects of
temperature through temperature scaling principles (see equation in Table 20.2), observed leaf
decomposition increases significantly with predicted rates (i.e., assemblage metabolism), whereby
the slope of this relationship does not differ from the fitted 1:1 line (solid line)
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20.3.3 Temperature Affects Leaf Decomposition

Leaf mass loss in fresh water is strongly modulated by temperature, and a simple
explanation is that the leaves ‘leach’ various substances when exposed to water,
including phenols (e.g., tannins) (Bärlocher, 2005; Canhoto & Graça, 1996; Quinn
et al., 2000). Leaching will follow chemical- and temperature rules and is unavoid-
able. Other abiotic factors such as light surely also play a role here and studies that
manipulate light intensity in the laboratory must make sure that light intensity and
temperature are not confounded.

Temperature also affects leaf decomposers, either over longer time scales (evolu-
tionary response of organisms) or in a very direct, immediate way. Regarding the first
point, numerous recent studies from fresh waters have suggested that environmental
warming often favours smaller organisms, both within and among species, and that
much of this can be ascribed to metabolic and physiological constraints that scale
allometrically with body mass (see review by Perkins et al., 2010, and references
therein). A high level of genetic variation that allows a species to adapt (Gamfeldt
et al., 2005) is therefore an advantage when it comes to changes in the environment
such as temperature regimes. Hence, evolutionary response to temperature should be
considered in laboratory experiments that are run over time periods in which organ-
isms reproduce and potentially evolve (e.g., in most lab experiments bacteria will
evolve within hours).

Critically for all types of laboratory experiments, temperature affects organisms in
a very immediate fashion, through increasing energetic demands of ectotherms that
have no choice but to increase their metabolism with temperature. For instance, rates
of consumer ingestion and resource depletion increase exponentially with temper-
ature, and as a rule of thumb, physiological rates approximately double with a
10 °C increase in temperature (the so called Q10 rule). Consequently, important new
insights have been gained through integrating measures of the metabolic capacity of
consumers (Flores et al., 2016; Ruesink & Srivastava, 2001) and temperature scaling
(Gillooly et al., 2001) into laboratory studies (Perkins et al., 2012, 2015). Again, the
MTE offers the mathematical models behind temperature effects and much of this
is based on the Boltzmann constant and Arrhenius equation (Gillooly et al., 2001;
Table 20.2). For example, it is possible to predict a rate, such as leaf decomposition,
for a hypothetical temperature, T2, if the rate is known for a reference temperature, T1

(Gillooly et al., 2001). Further, it is possible to incorporate the effects of temperature
(in addition to body size) on metabolic capacity (Table 20.2, Fig. 20.2), and in doing
so this approach can be extended to predict ‘assemblage metabolism’ (Table 20.2,
Fig. 20.2). For instance, it is useful to calculate assemblagemetabolism if leaf decom-
position is run at different temperatures and the results from these temperatures are
merged (see example in Fig. 20.2).
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20.3.4 Biodiversity and Species Interactions Drive Leaf
Decomposition

Metabolic power of decomposer assemblages and temperature are clearly strong
predictors for plant litter decomposition but past litter decomposition experiments
often had a strong focus on biodiversity effects (Perkins et al., 2010; Reiss et al.,
2010, 2011). The general premise here is that assemblages that are very biodiverse
will drive processes such as leaf litter decomposition better (e.g., faster) than assem-
blages that are less biodiverse. Biodiversity can be measured in different ways,
with species richness being the most popular metric, and has indeed been shown
to increase many ecosystem processes (see review by Reiss et al., 2009). When
litter decomposition driven by a decomposer assemblage is measured a key question
is: do species-rich assemblages exhibit faster rates than species-poor ones? There
are three possible scenarios here: the different species within that assemblage can
(1) perform in an additive fashion, i.e., as they would alone (‘in monoculture’), (2)
interact with each other and influence each other in a positive or negative way and (3)
drive different processes that contribute to an overall effect (multifunctionality). In
laboratory studies where species are offered a limited amount of food resource types
and environmental conditions, they often perform in an additive fashion—meaning
once metabolic capacity is accounted for, species decompose the same amount of
leaf litter (Flores et al., 2016; Reiss et al., 2010, 2011). True biodiversity effects often
only become apparent when a ‘multifunctionality approach’ is considered because
species contribute to more than one process and respond differently to interactions
with biotic and abiotic factors (Gamfeldt et al., 2008; Gamfeldt & Roger, 2017;
Perkins et al., 2015). In the context of a leaf decomposition laboratory experiment
this means that on top of measuring leaf decomposition, measuring other processes
(e.g., production of faeces, respiration rates) will provide a more complete picture
of the importance of biodiversity (Gamfeldt et al., 2008; Reiss et al., 2009).

So far we have focused on biodiversity within a single trophic level but of course
leaf consumers are part of complex trophic interactions in fresh water ecosystems
(Gessner et al., 2010; Reiss et al., 2009). While studying the macrofauna-fungi-leaf
relationship has a longer tradition in laboratory experiments (e.g., Canhoto & Graça,
2008; Reiss et al., 2010), laboratory studies that involve microscopic consumers
(such as protozoans and micro-metazoans) of leaf bacteria and fungi are on the rise
(Chambord et al., 2017; Flores et al., 2016; Ribblett et al., 2005; Risse-Buhl et al.,
2012); and they have shown that tropic interactions among these small organisms
can have a substantial impact on leaf decomposition (e.g., Chambord et al., 2017;
Risse-Buhl et al., 2015).
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20.3.5 Other Abiotic Factors and Stressors

Species interactions and performance are influenced by abiotic factors other than
temperature, of course, and an example is habitat complexity. For example, it is
conceivable that different consumer species feeding on the same food resource
interact less when habitat complexity is high or that complexity influences the overall
performance of an assemblage because species can operate in their ‘optimal’ dimen-
sional environment. However, to our knowledge, there are very few studies testing
this hypothesis (Flores et al., 2016), but there is strong evidence that species are
adapted (foraging and feeding) to the dimensionality of their environment (Pawar
et al., 2012).

Most of the world’s fresh waters are affected by global change and freshwater
organisms are faced with a range of environmental changes such as pollution
(including acidification), anoxia or light penetration (Ormerod et al., 2010). Leaf
decomposition is clearly an ecosystem process that is heavily influenced by environ-
mental change (see Chaps. 12–18) and laboratory experiments offer a way to target
these issues (Canhoto et al., 2017; Gonçalves et al., 2019; Medeiros et al., 2009). To
complicate matters, time scales are extremely important when it comes to estimating
the effects of stressors because most species can endure non-optimal conditions for
short periods, but not over longer (reproductive) time scales.

20.3.6 It Gets Complicated: A More Realistic Picture of What
Drives Leaf Decomposition

We have expanded on only a few drivers of leaf decomposition here and, of course,
are faced with the fact that they all play a role in this ecosystem process. For the
purpose of a laboratory experiment, the questions must be very precise because it is
rather obvious that it is extremely difficult to take all drivers into account. Drivers
such as species identity, biomass or temperature can be confounded and influence
each other. Moreover, leaf decomposition in nature is a very dynamic process where
one driver might be important at one point in time but have negligible effects at
some other. For example, leaf consumers will reproduce over time and generation
time depends on body size and temperature. Further, reproduction will depend on the
nutritional quality and the quantity of leaf material and the presence of other food
resources. Clearly, in any case, leaf decomposition is strongly driven by the biomass
andmetabolic capacity of the consumers and possibly also driven by biodiversity and
interactions between the consumers. Still, laboratory experiments can distil some of
the mechanisms that operate in nature and we can ask meaningful questions that
can be addressed with appropriate statistical analysis as described in the following
section.
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20.4 Statistical Approaches: Maximising Statistical Power
While Reducing Logistics

In the following sections, some general approaches will be described that help to
maximise statistical power and to minimise logistics when drawing up an experi-
mental design for a laboratory study with leaf litter and decomposers. The research
question will determine the experimental design for every experiment; hence we give
examples for possible questions while explaining statistical approaches.

20.4.1 Analysis of Variance

In laboratory experiments as described here, the objective is to test which predictors
describe a certain response best. In other words, we want to find out which factors
contribute to leaf mass loss. Let us imagine a more complex experiment in which
seven species are used (Fig. 20.3). The aim is to find out if species richness (e.g., 1, 2
and 3 species feeding on leaves together) or species identity (e.g.,Asellus,Gammarus,
etc.; see Fig. 20.3a) are responsible for leaf decomposition. In the example just given,
there are 63 possible combinations or ‘treatments’ if all seven species are run as
mono, di- and tri-cultures and, of course, they will have to be run in replication
(e.g., let us assume 2 replicates, so 126 microcosms). These treatments represent 63
different ‘assemblage identities’. Assemblage identity can be fitted as a predictor of
leaf decomposition but really we are interested in whether species richness has an
effect on the response or if species have particular effects. Assemblage identity and
species richness represent mathematical ‘models’ that can be fitted in a statistical
test. The overall aim is to compare means (of the replicates) for each level within a
predictor (e.g., the predictor ‘species richness’ or ‘assemblage identity’) and to find
out which predictor (or combination of predictors) describes the response best in
terms of low variance around those means. For these aims and assumptions, a t-test
would be the analysis of choice if we only compare two means but for more complex
questions, as in our example, analysis of variance (ANOVA) can be an appropriate
and popular tool when it comes to data analysis.

20.4.2 Running Designs That Are Not Fully
Factorial—Statistical Power and Logistics

Ideally laboratory experiments are run in a fully factorial design because these deliver
optimal statistical power (if combined with high replication). Clearly this is not
always possible, especially when larger organisms are used that are laborious to
sample in the field, and when laboratory space is limited. In this case, it is important
to not randomly run certain treatments but to instead make sure that statistical power
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Fig. 20.3 Example for a statistical design of a leaf decomposition experiment (as used in Reiss
et al., 2010). a The 7 species used in the experiment are called ‘types’ and assigned a letter. The aim
is to assemble them in mono, di- and tri-cultures to assess both the effects of species identity (i.e.,
the effect of ‘type’) and species richness. b To reduce the number of microcosms, not all possible
tri-cultures are run. Instead of 35 possible combinations, 7 are selected using the visualisation
shown here. All types along a straight line, and along the circle are selected as tri-cultures and this
means each pair of species occurs together exactly once. c The latter results in a non-fully factorial
design with 7 tri-cultures instead of 35. d The questions will determine the statistical models that
are fitted in the analysis of variance and the models can be visualised with a Hasse diagram. In these
diagrams, there is one dot for each model and it is useful to show the dimension of each model—the
number in the bracket, as well as its name. The diagram also contains edges linking some dots. The
convention is that if model M1 contains model M2 then the dot for M1 is higher than the dot for
M2 and there is a chain of generally downward edges linking the dot for M1 to the dot for M2. For
example, ‘Type richness’ (3 parameters) and ‘Type’ (7 parameters) are not related models but they
are nested in ‘Assemblage identity’ (35 parameters)
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is maintained. For example, let us consider, again, the example of seven species
(Fig. 20.3) in a leaf decomposition experiment with a biodiversity focus (see Reiss
et al. [2010] for example). There are 35 possible tri-cultures from 7 species, making
the set-up rather large with 63 treatments (mono, di- and tri-cultures). We want to
keep the experiment manageable in size while obtaining clear information about the
effect of each species on each other species. Rather than using a random collection of
tri-cultures, statistical power is higher if each pair of species occurs together exactly
once (Fig. 20.3) and this gives 7 tri-cultures instead of 35 (Fig. 20.3 and see Reiss
et al., 2010). Those can be randomly assigned to replicated microcosms, or—even
better—be run in blocks (see Sect. 4.5).

20.4.3 ‘Visualising ANOVA’—Hasse Diagrams

ANOVA cannot only be used when a predictor has more than two levels (e.g., the
predictor ‘species richness’ has levels 1, 2 and 3) but more than one predictor (or
‘model’) can be fitted in a family of models (Bailey, 2008). For instance, we can
fit both species richness and assemblage identity as predictors in the same analysis
(Fig. 20.3). It should be noted that many ecologists will call a collection of models
‘ANOVA model’ and a single model ‘independent variable’ and we would like to
point out that we are using terminology popular among statisticians (i.e., the term
‘model’ and ‘predictor’ instead of ‘factor’ or ‘independent variable’). By fitting
ANOVA, we can take into account that some predictors are related (they can be
sub-sets of each other—they are ‘nested’, as in our example of assemblage identity
and species richness) and that sometimes the response (leaf decomposition) is best
explained by more than one model or even by an ‘interaction’ of models. The latter
would tell us that a certain combination of predictors must be present to drive leaf
mass loss best.

Bailey (2008, 2020) recommends showing the family of considered models in a
Hasse diagram (see Fig. 20.3 and Bailey, 2020; Bailey & Reiss, 2014; Reiss et al.,
2010 for examples). In these diagrams, there is one dot for each model and it is useful
to show the dimension of each model as well as its name. The diagram also contains
edges linking some dots. The convention is that if model M1 contains model M2
then the dot for M1 is higher than the dot for M2 and there is a chain of generally
downward edges linking the dot forM1 to the dot forM2 (see example in Fig. 20.3d).
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20.4.4 Fitting Statistical Models in ANOVA that Can
Disentangle Additive Versus Facilitation
or Antagonistic Effects

A typical question behind B-EF research is: do species-rich communities drive
ecosystems better than species-poor ones? To test this in laboratory experiments,
we must be able to find out what a species does in isolation, what it does in combina-
tion with another species and if any interactions between the species are antagonistic,
additive or if the species even facilitate each other. This can be done by using a fully
factorial experimental design (but see Sect. 4.2.) and the appropriateANOVAmodels.
One such model dubbed ‘Type’ (Bailey & Reiss, 2014; Reiss et al., 2010, 2011) is so
called because it focusses on the effects of different ‘types’ rather than species per
se. We could have called it ‘species identity’ but in some instances we want to use
individuals of the same species that differ in terms of their traits (e.g., bodymass). For
example, within one species we could distinguish small and large individuals—two
types. This ‘type’model assumes that each type has a unique effect, which provokes a
characteristic response irrespective of whether the type is combined with other types
or not. For example, Reiss et al. (2011) used small and large individuals of the water
hog louse Asellus in leaf decomposition experiments (in combination with other
shredders in mono, di and tri-cultures). In this experiment, metabolic capacity was
not accounted for, individuals were simply added in equal numbers when they were
in polyculture (e.g., halved numbers in di-culture). The ‘type’ model that was fitted
in the ANOVA therefore had a simple rationale (it was assumed that the response
simply depends on additive effects of types) that can be illustrated with the following
example. If 12 small Asellus feed on 0.6 g of leaf material over 28 days and 12 large
Asellus feed on 0.7 g under the same conditions, then a di-culture of the two ‘types’
should feed on 0.65 g ([0.7 + 0.6]/2) if the abundances of each type are half in
di-culture (that contains 6 small Asellus and 6 large Asellus). The response here is
leaf mass loss but, of course, it can be replaced with other responses measured (such
as algal grazing, amount of faeces produced etc.; see Perkins et al., 2015). Hence,
the ANOVA essentially tests if the di-culture does indeed feed on 0.65 g.

In terms of the statistical model fitted, the response on monoculture A (the small
Asellusmonoculture) should be α1; the response on monoculture B (the large Asellus
monoculture) should be α2; the response on di-culture AB should be (α1 + α2)/2.
If we imagine a third type, such as small Gammarus (monoculture ‘C’), and a tri-
culture with 4 individuals in it of each type, the response on tri-culture ABC should
be (α1 + α2 + α3)/3, and so forth. If this model, considered in the hierarchy of
other models, explains the response best (and has the best AIC if calculated), we
might conclude that there are no biodiversity effects (an no species interactions) on
the particular response, under the lab conditions. However, a word of caution here:
despite being counter-intuitive at first glance, although this model concludes that
there are no species richness effects, this model can be significant in cases where
biodiversity is indeed important for combined processes. This will be the case when
multifunctionality (i.e., more than one process) is measured (Perkins et al., 2015).
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20.4.5 Replication, Blocks, Randomisation
and Pseudoreplication

When the experimental set up is so large that not all microcosms can fit into the
same location at the same time (in a randomised arrangement) then high statistical
power is maintained if sub-sets of the experiment are run in blocks where, generally
speaking, it is the replicates that are run in blocks (e.g., one replicate per treatment in
each block). These blocks can be rooms, shelves, or, most often, time. Block effects
can then be accounted for in the ANOVA because ‘block’ can be fitted as a model in
the analysis (see Reiss et al., 2010, 2011 for examples). If the experiment is not fully
factorial, as for the tri-cultures in the example in Fig. 20.3, then statistical power is
highest when (i) each species is present in the same number of tri-cultures and (ii)
each pair of species is present in the same number of tri-cultures (Bailey, 2008, see
Fig. 20.3). Simply using a random collection of tri-cultures will rarely achieve the
same power.

Pseudoreplication (also called false replication) can occur when replicates are
confounded with another variable that might have an influence on the response
(Bailey&Greenwood, 2018;Hurlbert, 1984; Johnstone, 2013), such as a temperature
cabinet or a location (e.g., a section of a river or a room). For example, Perkins et al.
(2015) tested how leaf mass loss changed across three temperatures but temperature
was not replicated as such because each temperature was confined to a particular
temperature cabinet. In order to replicate temperature, more than one temperature
cabinet should be run at the same time (e.g., two cabinets with the same temper-
ature)—or a carefully planned block design should be used. For example, if there
are three temperature cabinets that are set to three different temperatures, then it is
possible to run the experiment with only some replicates at those three temperatures
and to then repeat it at a later point, this time running the remaining replicates and
switching cabinets (e.g., the cabinet that was used for 10 °C is used at 15 °C and so
forth). In the analysis, time can be fitted as a block (block 1 is the first run, block 2 is
the second run and so forth). Cabinets are fitted as sub-blocks with random effects.
To test whether the predictor ‘temperature’ is needed in the model, the differences
between temperatures are compared with the differences between cabinets within
blocks.

20.5 Examples of Laboratory Experiments on Aquatic Leaf
Litter Decomposition

In this chapter, we aim to convey that laboratory experiments on leaf decomposi-
tion are a popular tool for freshwater ecologists because they are logistically feasible,
affordableways to approach (rather theoretical) questions in ecology. In the following
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we will illustrate our earlier thoughts about drivers of leaf decomposition, experi-
mental design and analysis by giving three examples for laboratory studies that
measured leaf decomposition andwhich highlight the opportunities these approaches
offer to ecologists.

20.5.1 Flores et al. (2016)—Effects of Biodiversity, Species
Identity and Habitat Complexity on Leaf
Decomposition

One such experiment is by Flores and colleagues (Flores et al., 2016) and it had two
main questions: does habitat complexity have an effect on leaf decomposition and can
a species-rich assemblage of macro-shredders drive leaf decomposition better than a
single species? The authors knew that habitat complexity can provide refuge for prey
and hence lower predation rates and they hypothesised that other species interactions
and therefore ecosystem processes might be connected to habitat structure. They
chose an experimental approach and manipulated habitat complexity using different
configurations of plastic plants that they added to aquatic microcosms containing
decomposing alder leaves. Three different detritivores species (Asellus, Gammarus
and Cyclops) were subsequently introduced to these microcosms in a fashion that
3 levels of species richness were created (monocultures and all possible di- and tri-
cultures). A focus here was to measure habitat complexity as fractal dimension but
creating 4 levels of fractal dimension (including a treatment without plastic plants)
meant that other predictors were confounded with habitat complexity and had to be
accounted for. Rather than fitting ‘habitat complexity’ as a predictor, a more precise
approach was taken by distinguishing: structure present vs. structure absent, amount
(i.e., mass) of structures and fractal dimension of structures.

Another predictorwas ‘species richness’ and to complicatematters, three response
variables were measured: leaf mass loss, production of FPOM and pH in the micro-
cosm. A seemingly simple experiment hence included complex assumptions about
the traits of the species used and a rather intricate experimental design, that was not
fully factorial, yet logistically feasible for the ecologists and optimised in terms of
the analysis (admittedly with the help of a statistician, R. A. Bailey).

In previous experiments, they had found that two of these species, Asellus and
Gammarus, did not interact when they were in combination with each other and
hence a third crustacean, Cyclops was used. Cyclops is much smaller than the other
two species and should feed in a different fashion (on leaf biofilm and faeces) and
they also perceive structure differently. Importantly, in these experiments the number
of crustaceans used was determined by calculating the metabolic capacity for mini-
assemblages of these three species. Because small animals ingest more food in rela-
tion to their own body mass compared to larger organisms (see Sect. 3.1), adjusting
for the metabolic capacity resulted in a smaller proportion of Cyclops versus Asellus
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individuals than adjusting for the biomass. In this case, this meant that in mono-
cultures, 218 individuals were added to the ‘Cyclops only’ treatments to give the
same metabolic power as 15 individuals of Gammarus or 12 Asellus individuals in
these respective monocultures. Half of these numbers were used when species were
combined in di-cultures (e.g., 109 Cyclops individuals and 6 Asellus were present
in the Cyclops/Asellus di-culture) and tri-cultures contained 1/3 of the monoculture
individuals. This meant that all microcosms (potentially) had the same metabolic
power.

With this set-up, it was possible to address two questions: (1) do processes associ-
ated with leaf decomposition increase with increasing complexity? and (2) is habitat
complexity more important for processes than species interactions or identity per se?
The rationale here was that more complex environments generally enhance foraging
and feeding, and that polycultures would probably not perform in an unexpected
way. Overall, the purpose was to show that habitat complexity influences plant litter
decomposition and indeed the experiment provided some proof for this—two out of
the three processes were linked to complexity. Microcosms with artificial plants in
them hadmore FPOM and lower pH compared tomicrocosmswithout these artificial
structures. The authors hypothesised that this could be caused by higher digestion
and respiration when structures were present. Only taking the microcosms with arti-
ficial plants into account it became obvious that the amount of structure (i.e., amount
of plastic plant added) was a stronger predictor of the response variables than the
fractal dimension of the structures.

The experimental design and analysis of this experiment is potentially a good
template for experiments that are designed to elucidate how stressors affect leaf
decomposition. Although ‘complexity’ was not a stressor, it is an abiotic factor that
can be replaced by another one (such as ‘light’ or ‘micropollutant’) in terms of
experimental design.

20.5.2 Reiss et al. (2010)—Effects of Biodiversity on Leaf
Decomposition

Reiss and colleagues (2010) designed and ran an experiment to address effects of
biodiversity of fungi and shredders on leaf decomposition. The rationale herewas that
a large body of research has revealed (often) positive B-EF relationships in manipu-
lative experiments. The vast majority of such studies have focused on either micro-
or macro-organisms, but this was the first study to manipulate the diversity of both
simultaneously under controlled laboratory conditions. Reiss et al. (2010) performed
amicrocosm experiment in which they manipulated species richness of aquatic fungi
and invertebrates, two taxonomically distant sets of consumers that contribute to the
same key ecosystem process in freshwaters, the decomposition of terrestrial leaf-
litter. They used a statistical design to maximize parsimony and analytical power in
an experiment with three levels of species richness (7 monoculture, 21 di-culture,
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and 7 tri-culture treatments). Litter decomposition was measured as both mass loss
and the production of fine particulate organic matter (FPOM). They tested whether
species richness affected these two processes or whether polycultures performed as
predicted from their component monocultures. Further they calculated assemblage
metabolism in each microcosm to test whether the processes were driven by the
metabolic demands of fungi and invertebrates.

In general, across the 35 treatments, most species performed in an additive fashion
and there was no effect of species richness on either process. There was evidence
of assemblage identity effects (i.e., certain species combinations not performing as
expected), with instances of significant differences for species combinations that
contained both caddisfly larvae and fungi. These assemblages performed worse than
expected, which might have been due to dual vertical and horizontal interactions,
with the possibility that although both consumed litter directly the former may also
have grazed on the latter. Apart from these particular species combinations, overall
performance of a species in polyculture was effectively the same as in monoculture
and reflected its metabolic demands. This suggests that even taxonomically distant
consumers might exhibit a degree of functional redundancy for certain processes
provided the remaining species can attain sufficient population biomass (and hence
metabolic capacity) to compensate for the loss of other species, although whether
such compensatory mechanisms operate in the field remains unknown. Further,
species contribute to a multitude of ecosystem processes and progressively more
species are needed to sustain the sum of them (Gamfeldt & Roger, 2017). This
experiment highlighted how important it is to take metabolic demands into account
and the dominance of additive effects of leaf decomposers (demonstrated by the good
fit of the ‘type’ statistical model that was fitted in the ANOVA, see Fig. 20.4).

20.5.3 Perkins et al. (2015)—Species Contribute to More
Than One Ecosystem Process (Multifunctionality)

The laboratory experiments by Perkins et al. (2015) were an extension of the B-EF
focus by Reiss et al. (2010). Reiss et al. (2010) had found evidence for redun-
dancy among leaf consumers, i.e., if a certain leaf decomposer was absent it could be
compensated for by another. Species redundancy has been suggested as a widespread
insurance mechanism against the effects of biodiversity loss on ecosystem func-
tioning in the face of environmental change. Redundancy may be compromised
when multiple ecosystem processes (termed multifunctionality) and environmental
contexts are considered, yet very few studies have quantified this explicitly to date.
Perkins et al. (2015) measured five key processes and their combined multifunction-
ality at three temperatures (5, 10 and 15 °C) in freshwater microcosms containing
different animal assemblages (1–4 benthic macro-invertebrate species). For single
processes, biodiversity effects were weak and were best predicted by additive-based
models i.e., polyculture performances represented the sum of their monoculture
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Fig. 20.4 The performance of statistical model ‘Type’ in leaf decomposition experiments. This
model assumes that each type has a unique effect, which provokes a characteristic response irre-
spective of whether the type is combined with other types or not. a The type model describes the
response extremely well in an experiment by Reiss et al. (2010). b Perkins et al. (2015) ran a similar
experiment at 3 different temperatures and fitting all combinations of type and temperature describes
the data best. c Data from Flores et al. (2016) showing that, when metabolic capacity is accounted
for, the type model does not explain the data well because species effects that are based on body
mass have been removed a priori. Each data point is a unique assemblage identity (averaged across
replicates) where circles are mono-cultures, triangles are di-cultures, squares are tri-cultures and
crosses are tetra-cultures. The fitted solid lines are 1:1 lines and are displayed in instances where
the type model was significant in the original analyses

parts (see Figs. 20.2 and 20.4) and this echoed the results of Reiss et al. (2010)
(Fig. 20.4). Indeed, if individuals are added to microcosms without adjusting for
metabolic capacity, the ‘type model’ (see Sect. 3.4) will describe leaf decomposition
best (Fig. 20.4) highlighting how important it is to fit this statistical model in the
ANOVA and the additive effects of species. Yet, it makes little sense to fit the model
if metabolic capacity is taken into account because effects that are due to species
having different body sizes is removed (Fig. 20.4; Flores et al., 2016).

Perkins et al. (2015) did not account for metabolic capacity, however, and
concluded that the performance of species was additive when they considered one
process alone (e.g., leaf decomposition, Fig. 20.4). There were, however, significant
effects of biodiversity on multifunctionality (all 5 processes are evaluated combined)
at the low and high (but not intermediate) temperatures. Variation in the contribu-
tion of species to processes across temperatures meant that multifunctionality was
promoted by multiple species: greater biodiversity was required to sustain multi-
functionality across different temperatures than was the case for single processes or
temperatures. This suggests that previous studies may have overestimated the scope
for redundancy to buffer the consequences of biodiversity loss in a changing envi-
ronment. Certainly, this experiment shows that temperature affects leaf decomposers
in predictable ways (metabolic scaling laws) and illustrates how vital it is to record
temperature in leaf decomposition studies.
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20.6 Conclusions

Let us revisit the keen PhD student who set out to explore the effects of different leaf
decomposers, and abiotic factors, on leaf mass loss. In this chapter, we have shown
that we have the theoretical background (metabolic scaling laws), and the statistical
frameworks, to plan and analyse meaningful leaf decomposition experiments. The
PhD student scenario gave the example of an eager researcher who is faced with
a plethora of factors that drive leaf decomposition and, by extension, potentially
challenging experimental designs. Here, we showed that, in many instances, labo-
ratory experiments can address precise questions when the metabolic demands of
the decomposers are considered. For example, in our first case study, Flores and
colleagues (2016) used metabolic theory to calculate metabolic capacity of the mini-
assemblages they added to their aquatic microcosms (see Flores et al., 2016 and
Sect. 5.1), which gave them the tools to disentangle species identity effects from
body mass effects. Further, we showed that it is possible to streamline laboratory
set-ups by making detailed plans about the statistical analysis. The overall aim here
is to establish that the analysis can address the questions while minimising logistics.

For example, Flores et al. (2016) did not have to run a fully factorial design but the
set-up still retained high statistical power. Hence it was possible for the experimenters
to run fewer microcosms, and this allowed them to expand on questions and aims, as
well as to include the effects of an abiotic driver (habitat complexity). In summary,
in this chapter, we show that the experimental design and analysis will depend on
which drivers of leaf decomposition are considered, the scientific questions and on
whether the set-up in the laboratory can yield robust data. Because organisms can
operate only within the restraints of natural laws, we can use theoretical frameworks
to refine how we plan laboratory studies on leaf mass loss.
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Chapter 21
Plant Litter Decomposition as a Tool
for Stream Ecosystem Assessment

André Frainer, Andreas Bruder, Fanny Colas, Verónica Ferreira,
and Brendan G. McKie

Abstract The decomposition of plant litter in freshwaters is an integrative process
involvingmultiple organismgroups and connecting terrestrial and freshwater ecosys-
tems. The quantification of leaf litter decomposition has been advocated as an effec-
tive indicator of ecosystem functional integrity in the bioassessment of freshwaters.
Indeed, variation in litter decomposition rates has been used to detect the impacts of
a wide range of anthropogenic disturbances on the functioning of detritus-based food
webs in freshwater ecosystems, particularly in streams. However, these assessments
have almost exclusively been undertaken as part of research projects, and the appli-
cation of litter decomposition as a tool in routine biomonitoring remains limited. We
evaluate the potential for litter decomposition as a tool for ecosystem assessment
by environmental agencies and managers, drawing on insights and experiences from
three lines of evidence: (i) a broad selection of published research projects, (ii) an
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existing national-scale monitoring program and (iii) a meta-analysis comparing litter
decomposition rates between nutrient-enriched and reference sites. We use this as
a basis for discussing inter alia common substrates used in decomposition assays,
alternatives for field protocols and sampling designs, and the use of different indices
and reference conditions when arriving at an assessment of functional status.

21.1 Background

21.1.1 The Promise of Litter Decomposition: Ecosystem
Process Rates as a Tool for Stream Bioassessment
and Management

Almost two decades ago, Gessner and Chauvet (2002) advanced the suggestion
to use leaf litter decomposition to complement structural indicators for stream
bioassessment, to address the lack of practical, cost-effective approaches available
to management authorities for quantifying the functional aspects of ecosystems (see
Sect. 21.1.2). Since then, numerous studies have tested the use of litter decomposi-
tion as a measure of freshwater functional integrity. Despite intense research, major
challenges remain in the implementation of litter decomposition in bioassessment
as a complementary tool to established structural measures of ecosystem integrity.
We revisit the methods, experiences, and developments concerning the use of litter
decomposition as a tool in stream bioassessment and discuss: when is litter decompo-
sition most suitable for use in bioassessment and what are the remaining roadblocks
and knowledge gaps precluding the widespread use of litter decomposition as a tool
for management?

21.1.2 From Analyses of Structure to Functional Metrics

Ecologists and practitioners interested in assessing freshwater ecological condition
mostly rely on structural measures of biological integrity. In benthic habitats of
lotic and lentic systems, such measurements include counts of invertebrate species
or families, the relative abundances of some key benthic invertebrate orders, e.g.,
Ephemeroptera (mayfly), Plecoptera (stonefly), and Trichoptera (caddisfly) (EPT
index), or country/region specific indices that weight the relative abundance of sensi-
tive versus tolerant taxa, including the British Biological Monitoring Working Party
index (Armitage et al., 1983), the NewZealandMacroinvertebrate Community Index
(Collier et al., 2014) and multimetric indices (Mondy et al., 2012). These structural
measures capture variation in the composition and distribution of benthic inverte-
brate communities, and sometimes include information about their functional traits,
and thus are widely used to assess the current ecological status of habitats and to
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track changes in status as management measures are applied (Burdon et al., 2020;
Dahl & Johnson, 2004). Inferences of ecosystem level impacts (e.g., on ecosystem
processes regulating fluxes of nutrients and energy) from these structural measure-
ments are possible—for example a decline in abundance or diversity of invertebrates
consuming algal biofilms might indicate a reduction in the importance of algae as
an energy source in that system (McKie & Cranston, 2001). However, such infer-
ences should always be heavily qualified because underlying assumptions simplify
the ecological complexity of the system studied. For instance, tolerant species might
adapt their functional role in a disturbed environment and partly compensate for the
loss of more specialised and sensitive species, so that ecosystem process rates are
maintained even as biodiversity declines (Ledger & Hildrew, 2005). Alternatively,
a disturbance might have sublethal effects on the activities of functionally impor-
tant species, so that functioning is affected without a marked loss of biodiversity
(McKie &Malmqvist, 2009). Furthermore, structural measurements may be of little
use in regions with naturally low abundance of certain groups or incomplete taxo-
nomic information on some species. In all these cases, direct measures of ecological
processes, which quantify fluxes in ecosystem functioning and are influenced by
interactions of species with their environment (including resources), may serve as a
complementary or even the primary approach for assessing ecosystem integrity.

Leaf litter decomposition is a pivotal ecological process, particularly in headwater
streams and rivers, and also in ponds and littoral areas of lakes, and has been repeat-
edly proposed as an efficient bioassessment tool (Gessner & Chauvet, 2002; von
Schiller et al., 2017; Young et al., 2008). Chauvet et al. (2016) provided an extended
review and discussion of the use of litter decomposition for detecting impacts of
different types of disturbances on ecosystem functioning. Nonetheless, leaf litter
decomposition is not a one-size-fits-all tool. Boulton (1999) discussed the lack of
a ‘holy grail’ tool for the assessment of ecosystem health (see Karr, 1999), and
suggested that a combination of abiotic, structural, and functional measurements,
including litter decomposition, should be used depending on the problem being
addressed. Elosegi et al. (2017) further argued that ecologists should learn from
millennia of development in medicine and use a combination of tools, including
litter decomposition when suitable, to assess ecosystem health.

The importance of taking a multi-faceted approach to environmental assessment
is explicitly recognized in the European Water Framework Directive (WFD), for
example, which describes ecological status as “an expression of the quality of the
structure and functioning of aquatic ecosystems associated with surface waters”
(The European Parliament, 2015—Directive 2008/94/EC, pp. 423–426, Article 2,
paragraph 21). Nevertheless, the biological elements mentioned in the WFD for the
assessment of water quality are exclusively structural, i.e. composition and abun-
dance of key organism groups. Environmental agencies continue to base ecological
assessments on structural measurements alone (but see our Box 21.1 for an example
of national-scale use of litter decomposition for bioassessment), although the desir-
ability of developing appropriate functional metrics, including litter decomposition,
as assessment tools is often acknowledged (e.g., USEPA, 2016).
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The quantification of litter decomposition is fairly simple and practical, thus
making it an efficient tool for assessments of ecosystem functional integrity. Further-
more, litter decomposition has alreadybeen tested across spatial (Chauvet et al., 2016;
Tonin et al., 2017; Woodward et al., 2012) and temporal (Frainer & McKie, 2015;
Frainer et al., 2014; Yeung et al., 2018) scales, and used to evaluate the effects of
single and multiple stressors (Bruder et al., 2016; Castela et al., 2008; Colas et al.,
2013; Pascoal et al., 2003),mostly in streams and rivers, but increasingly also in ponds
and lakes (Quintão et al., 2013; Raposeiro et al., 2016; van Dokkum et al., 2002).
Anthropogenic impacts studied include those associated primarily with changes in
the abiotic environment, such as hydromorphological changes (Mendoza-Lera et al.,
2012; Mollá et al., 2017; Sabater et al., 2018), nutrient loading (Ferreira et al., 2015;
Woodward et al., 2012), acidification (Ferreira & Guérold, 2017), mining (Ferreira,
Koricheva, Duarte et al., 2016), urbanization (Imberger et al., 2010), and pesticides
(Rasmussen et al., 2012). Other studies have focused on effects of biotic changes on
organic matter decomposition, such as the use of genetically modified crops (Rosi-
Marshall et al., 2007), changes in forest composition driven by forest management
(Ferreira, Koricheva, Pozo et al., 2016; Ferreira et al., 2019), species invasions (Alp
et al., 2016; Hladyz et al., 2011), and changes in trophic interactions (Jabiol, McKie
et al., 2013), including predation (Majdi et al., 2014) and parasitism (Hernández &
Sukhdeo, 2008). Litter decomposition has also been used to assess the effectiveness
of different types of ecological restoration and environmental mitigation measures
(Entrekin et al., 2008; Flores et al., 2011; Frainer et al., 2018; Lepori et al., 2005).
Below, we discuss the most prevalent methodological considerations when using
litter decomposition as a bioassessment tool, including the use of different mesh
sizes, litter types, temporal scales, habitats, and choice of reference conditions. We
then revisit some proposed metrics for summarizing useful information from litter
decomposition and suggest ways forward by addressing some of the main advan-
tages and caveats of using litter decomposition as a tool for ecosystem assessment.
We focus on the use of naturally abscised, dried leaf litter as the substrate in a litter
decomposition assay because of its widespread use and the extended knowledge on
this process gained over the past decades. However, we also address alternatives to
the use of leaf litter to measure decomposition rates (Box 21.2).

Box 21.1: French case study
The National Office for Water and Aquatic Environments (Onema) is a French
public institution created to support the implementation of public water policy
in France as required by the European Water Framework Directive (WFD).
Although theWFD defines the ecological status of surface water based on both
structure and functioning of aquatic ecosystems, indicators developed under
theWFD consider only ecosystem structure. In addition, WFD indicators have
been mainly developed to focus on impacts of catchment landuse and chem-
ical stressors. Addressing these shortcomings, Onema initiated and funded
a research project (IDFun project, CNRS-Onema, 2012–2016) to develop an
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indicator reflecting responses of ecosystem functioning to hydromorphological
changes of streams. Leaf decomposition was selected for this purpose because
of its central role in river ecosystem functioning, the considerable scientific
background on both the abiotic and biotic mechanisms involved and on the
effects of various physical and chemical stressors, and the relative ease and
low cost of the method.

A working group composed of scientists and agents from two Onema
regional services was created to propose and test a protocol that fulfils the
methodological requirements (i.e., being as standardized as possible, easy to
use, efficient in time and costs). Alder (Alnus glutinosa) litter was used due to
its ubiquity along French rivers and its fast decomposition rates, thus reducing
the risks associated with extended field incubation time. Coarse-and fine-mesh
litter bags were used to estimate total and microbial-mediated decomposition
rates, respectively. Litter bags were placed in four areas near the stream bank
in each site. These locations were selected because they are natural areas of
detritus accumulation. Litter bags were retrieved after 7 and 21 days, and after
21 and 42 days for coarse- and fine-mesh bags, respectively, resulting in at
least 50% of mass loss on the final sampling date. Leaves were then rinsed,
dried, weighed, ashed, and reweighed to estimate ash-free dry mass (AFDM).
Water temperature was recorded every 30 min during the incubation using data
loggers and chemical and hydromorphological parameters were assessed using
national standards. Software was developed to automatically estimate decom-
position rates based on an exponentialmodel fittingAFDMdata to degree-days.
The project team trained all regional services in the use of the protocol. Onema
agents deployed the assay on 85 streams distributed all over France over three
years.

The project provided a large database for scientists to propose thresholds on
‘good ecosystem functioning’ and to model relationships between hydromor-
phology and leaf decomposition (Colas et al., 2017). The protocol was well
received by stakeholders overall, although there was a frequently expressed
preference for a more easily standardised substrate than leaf litter, to reduce
time for the collection of leaves. Twelve working-days are needed to apply
the protocol, which is comparable in terms of efforts to other WFD proto-
cols. Nonetheless, while the protocol is used for assessing restoration projects
and by stakeholders who are less constrained by regulatory requirements and
frameworks of national biomonitoring networks (e.g., water agency, natural
parks, and water basins managers across the country), its implementation as
routine bioassessment assay in the national WFD biomonitoring scheme is not
planned yet. The main reasons are the need for further standardization of the
protocol, the already high cost of the national biomonitoring scheme, there-
fore reducing possibilities for including new indicators, and the absence of leaf
litter as a parameter to be assessed in the WFD. Thus, considering the high
costs of biomonitoring, the French government is reluctant to integrate new
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indicators for ecosystem functioning into the national biomonitoring scheme
if not specifically requested by the WFD.

21.2 Choosing the Appropriate Method

21.2.1 Litterbag: A Toolkit in Different Mesh Sizes

Different mesh sizes have been used to compare the contribution of differently sized
organism groups to litter decomposition (Fig. 21.1). Large mesh sizes (often ranging
between 5 and 10 mmmesh size) allow access to the litter by larger organisms (espe-
cially invertebrates that directly feed on the litter and/or litter associated biofilms).
Here, the trade-off is often between a mesh size that allows enough invertebrate
colonization, while retaining the leaf litter and most fragments. In some systems,
larger crabs or crayfish might be important detritivores (Alp et al., 2016; Rincón
& Covich, 2014), and thus larger mesh sizes (or even alternative approaches such
as tying bundles of litter without enclosure in a mesh bag; Connolly & Pearson,
2013) might be needed. Small mesh sizes, often below 0.5 mm, block access by
most detritivores, and thus focus on microbial contribution to decomposition, often
resulting in slower decomposition rates than in large mesh. Mesh material varies.
Often material such as garden trellis is used for coarse-mesh bags, whereas material
withwell-controlledmesh sizes (e.g., industrial filtration fabric) is used for fine-mesh
bags. The role of mesh size in quantifying litter decomposition is crucial, as specific
processes and organism groups contributing to litter decomposition can be studied
individually (e.g., microbial processing; Bruder et al., 2014).

The effect of mesh size on decomposition rates can be illustrated by the cross-
biome study conducted by Handa et al. (2014). They used three different mesh sizes,
0.25mm, 1mm, and 5mm, in replicate field experiments in streams ranging from the
subarctic to the tropics. The different mesh sizes allowed either (i) microorganisms
alone, (ii) meiofauna (described as mesofauna by Handa et al., 2014) and microor-
ganisms, or (iii) macrofauna, meiofauna, and microorganisms to access the enclosed
leaf litter. They found that meiofauna contributed to 8.7% and macrofauna to 50.1%
to carbon loss (a surrogate for leaf mass loss) in a temperate stream (Handa et al.,
2014). The contribution of these size-groups to litter decomposition was substan-
tially smaller in a subarctic stream, with 4.0% and 5.2% for the meiofauna and
macrofauna, respectively. The differences in macrofauna-mediated decomposition
rates between these two streams were interpreted as the consequence of differences
in shredder densities in local communities. The temperate stream had a high density
of Gammarus pulex (on average 273 individuals per m2; Handa et al., 2014), a very
efficient shredder that often reaches high densities in temperate streams (Wood-
ward et al., 2012). In contrast, the subarctic stream supported lower densities of
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Fig. 21.1 Illustration of litter-bags of two different mesh sizes, coarse and fine, placed on the
bottom of a stream. Litter bags are often attached to a rope or chain that keeps them close to the
substrate, where benthic invertebrates can colonize the leaf litter inside the coarse-mesh bags. The
use of litter bags as a tool in bioassessment has shown promise to detect effects of anthropogenic
stressors (right side of the illustration) relative to reference conditions (left side of the illustration)

stonefly shredders (on average 44 individuals per m2), which predominately feed by
scraping biofilms growing on litter surfaces, and hence are associated with lower leaf
processing rates than taxa such as G. pulex and many Trichoptera that chew on the
litter directly (McKie et al., 2008).

21.2.2 Leaf Litter Quality: From Recalcitrant to Labile
and Nutrient Rich Leaves

The choice of the litter material has a decisive influence on decomposition rates, and
thus potentially on the capacity of a decomposition assay to detect human impacts.
This choice is thus an important methodological consideration, especially when
comparing decomposition rates over substantial geographic or environmental gradi-
ents along which the dominant riparian vegetation and other environmental param-
eters (e.g., thermal regimes) may change. Litter quality, defined by the combination
of physical and chemical characteristics, affects the colonization rates, biomass, and
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activity of microbial and invertebrate decomposers (Baldy et al., 1995; Ferreira et al.,
2012; Frainer et al., 2015; Handa et al., 2014). Under similar environmental condi-
tions, litter decomposition is faster for high-quality litter (i.e. high concentrations
of nutrients, low concentrations of structural and secondary compounds) than for
more recalcitrant litter. The most commonly considered parameters describing litter
resource quality include %N, %Lignin, C:N, lignin:N, tannins, and litter toughness
(Frainer et al., 2015; Lecerf &Chauvet, 2008; Ostrofsky, 1997; Schindler &Gessner,
2009). Other litter characteristics may be relevant for non-trophic effects on litter
decomposition, and include those defining habitat structure in litter packs (Sanpera-
Calbet et al., 2009) or the use for case-building by some groups of caddisflies (Moretti
et al., 2009; Rincón & Martínez, 2006). Litter quality varies not only among litter
species (Enriquez et al., 1993; Frainer et al., 2015; Ostrofsky, 1997), but also among
litter from conspecific trees growing in different conditions (Graça & Poquet, 2014;
Lecerf & Chauvet, 2008; Leroy et al., 2007).

For studies that aim at assessing the consequences of environmental conditions on
decomposition rates, the heterogeneity in the littermaterial used should beminimized
by standardizing the litter material across all sites sampled (Ferreira et al., 2019).
Some extreme standardization procedures based on semi-natural substrates have also
been applied (Box 21.2), which has the benefit of largely eliminating variability in
decomposition rates due to uncontrolled (background) variation in litter quality, but
at the cost of realism. Most commonly, researchers have used litter material from
plant species that are present in the study area, but not necessarily collected locally,
even when working across broad geographic scales (Handa et al., 2014; Irons et al.,
1994; Woodward et al., 2012). This approach is justified by the very weak evidence
for the so-called “home-field advantage” hypothesis, which postulates that local
decomposer communities more effectively decompose litter from local species and
sources, due to evolutionary adaptation. Empirical evidence for this effect is rare
and might be limited to microbial adaptation to very recalcitrant litter (Yeung et al.,
2019). Overall, litter quality seems to control the activity of decomposers more than
litter source (Bruder et al., 2014; but see Kennedy & El-Sabaawi, 2017), although
litter from contaminated sites should be avoided unless subject to specific research
questions.

Differences in decomposition rates between litter species of contrasting quality
has the additional advantage of yielding more information on the sensitivity of
processes contributing to decomposition. For instance, high concentrations of tannins
in leaf litter (e.g., in oak compared to alder leaves, Gessner & Chauvet, 1994) may
reduce fungal activity due to complexation and inactivation of fungal exoenzymes
(Gessner & Chauvet, 1994; McArthur et al., 1994) without affecting invertebrates
directly. Differences in nutrient concentrations and specific nutrient ratios among
litter species, as described by the ecological stoichiometry theory, may also be rele-
vant for bioassessment, if, e.g., they favour or hinder feeding and growth of particular
detritivore species (Abelho & Canhoto, 2020; Frainer et al., 2016; Halvorson et al.,
2018).
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21.2.3 Timing: Season and Duration

Litter decomposition rates may depend strongly on timing and duration of expo-
sure. Broadly, the first days of litter decomposition in freshwaters are dominated by
chemical leaching, followed by colonization by microbes. Microorganisms, fungi
in particular, then initiate biological litter decomposition, thereby also increasing
litter palatability for invertebrates. Although litter decomposition is often reported
as a rate (thus standardized for time), the duration of exposure is relevant for the
types of inferences that can be drawn. Decomposition of different litter constituents
is not constant over the duration of the process, reflecting effects of litter quality
(Grossman et al., 2020). Labile litter fractions (e.g., hemicellulose) are preferen-
tially utilized before refractory fractions (e.g., lignin). The decomposer community
also follows a successional pattern, with invertebrates often only gaining importance
after microbial conditioning (Bruder et al., 2014; Jabiol,McKie et al., 2013). Decom-
position rates differ substantially between these phases due to differences in lability
of the resources but also biomass and activity of the decomposer groups. Studies
have often accounted for leaching losses and calculated decomposition rates based
on a measurement roughly half-way through the process (Handa et al., 2014) or
based on several measurements at different stages (Bruder et al., 2014) to preclude
unrepresentative estimates based on measurements during initial or terminal stages.

Seasonality and phenology are also important. Frainer et al. (2014) compared
birch and alder litter decomposition rates between autumn and spring in streams of
northern Sweden. They found that birch decomposed faster than alder in autumn, but
in spring the difference depended on habitat characteristics, with birch decomposing
faster in riffles, but alder decomposing faster in pools. These differences in decompo-
sition rates weremost likely due to differences in invertebrate community phenology,
as detritivore composition differed between the two habitats. Other manifestations
of phenology on litter decomposition rates may also ensue, e.g., between wet and
dry seasons (Schlief & Mutz, 2011). Interannual differences in decomposition rates
within the same litter species have also been reported, for instance due to differ-
ences in water current across years (Yeung et al., 2018). Overall, using litter material
that is not synchronized in terms of quality and/or conditioning with background
litter and decomposer community dynamics at the study site might yield unrealistic
decomposition rates, e.g., due to preferential feeding of invertebrate decomposers
on high-quality litter, or due to island effects, when a reduced amount of litter in the
target habitat causes a disproportionately high concentration of invertebrates in the
litter bags (Gjerløv & Richardson, 2004).

21.2.4 Habitat: From Lotic to Lentic Systems

Freshwaters cover a broad range of habitat types that are often characterized based
on their water flow. Still water (lentic) habitats range from small water pools to
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larger ponds, lakes, and reservoirs, but also include still-water habitats found in
caves and bromeliad tanks, for example, and in so-called “pool habitats” in streams
and rivers, i.e. areas of deep, very slow flowing water typical of slow meanders and
other “protected” channel sections. Running water (lotic) habitats range from small
springs to the largest rivers, and include inlets and outlets of lakes and reservoirs.
Litter input is particularly important in systems where autochthonous production is
low, thus litter decomposition may be a useful measure of bioassessment in several
of those freshwater habitats. To date, most work on litter decomposition has been
done in streams, but water tanks in bromeliads (Benavides-Gordillo et al., 2019;
Migliorini et al., 2018), caves (Galas et al., 1996; Silva et al., 2013), marshes (Flury
& Gessner, 2011), small reservoirs (Colas et al., 2016), and shallow lakes (Alp et al.,
2016; Carvalho et al., 2015; Pope et al., 1999) have also been tested for the effects
of distinct biotic and abiotic stressors on litter decomposition. For example, Frainer
et al. (2014) compared decomposition rates between pools and riffles within streams,
and found large differences in decomposition rates between the two habitats, which
were explained by differences in the benthic invertebrate community composition
and phenology (see Sect. 21.2.3).

21.2.5 Selecting the Appropriate Reference Conditions

A great challenge in the application of bioassessment indicators lies in the evaluation
of observed differences between impacted and non-impacted ecosystems (Elias et al.,
2016; Feio et al., 2014). This challenge is equally relevant for litter decomposition
assays. In many studies, impacts on litter decomposition and ecosystem functional
integrity in general are inferred if a difference in decomposition rates is detected
between impacted and reference sites (e.g., McKie & Malmqvist, 2009). Reference
sites are chosen as genuinely pristine sites if available, or else as sites representing
regionally “least disturbed” conditions, or as sites on adisturbancegradient,where the
least disturbed sites are used as reference (Woodward et al., 2012). The effectiveness
of this approach is seen in numerous publications detecting altered decomposition
rates associated with increased nutrient levels, invasive species, mining pollution,
hydro-morphological alterations, and pesticides, among others (see references in
Sect. 21.1.2). The approach has also been used to assess the extent towhich ecological
mitigation and restoration have altered ecosystem functioning (see references in
Sect. 21.1.2).

Within this framework, both faster and slower decomposition rates relative to
a reference condition are considered as undesirable, and may indicate impaired
functional integrity. However, in some cases, the lack of difference in decompo-
sition rates between reference and impacted sites is also informative. A healthy
microbial community should be able to respond to increased nutrients by increasing
activity and biomass and in turn decomposition rates. Failure to do so might indicate
an impairment of the microbial community due to some additional stressors (e.g.,
pesticides, Gardeström et al., 2016) or other limiting factors (Bruder et al., 2016).
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Finally, different stressors may cancel each other, as when nutrient enrichment leads
to oxygen depletion that negatively impacts detritivores and counteracts bottom-up
stimulation of microbial activity. Such hidden stressor effects and stressor inter-
actions need to be accounted for by measurement of additional biotic and abiotic
parameters (Bruder et al., 2019).

Pitfalls are potentially associated with the definition of reference conditions.
The reference condition is assumed to be representative of the natural condition
of ecosystems in the absence of anthropogenic disturbances. The ecological status
of an ecosystem is then defined according to the discrepancy between measure-
ments in the impacted and reference situation. The choice of reference sites thus
strongly affects interpretations of decomposition rates in bioassessment (Chauvet
et al., 2016; Feio et al., 2010). Defining reference conditions can be challenging if
streams and rivers that have similar characteristics but are free of any disturbance
do not exist anymore (e.g., Feld et al., 2011). To address this issue, the concept
of ‘analytical reference condition’ was developed (Downs et al., 2011) involving
modelling the non-disturbed state of the ecosystem (i.e. ‘hindcasting modelling’)
(Kilgour & Stanfield, 2006; Launois et al., 2011). The analytical reference condi-
tion is obtained by lowering the value of the human disturbance variables included
in predictive models, thus providing an estimation of the value of the response
variable with no or reduced disturbance (Soranno et al., 2011). Development of
models of ‘analytical reference conditions’ for thresholds in litter decomposition
are conceivable, but require spatially extensive, highly standardized data sets, of
which only a few examples currently exist (Woodward et al., 2012; Tiegs et al.,
2019; and Sect. 21.3). It might also be possible to model reference conditions from
meta-analyses of smaller projects, but the challenges arising from variation in e.g.,
differences in litter substrates, decomposition periods, and disturbance intensities
are substantial (see Sect. 21.3).

21.2.6 Ratios Between Coarse- and Fine-Mesh Bags

Decomposition rates (k) are in most cases extracted from first-order exponential
decay models (Olson, 1963). Several studies have used the ratio in decomposition
rates between coarse and fine-mesh bags (i.e. kc:kf ) as a metric that gauges the rela-
tive contribution of shredders and microorganisms to litter decomposition (Lecerf,
2017; Pascoal et al., 2003). Based on literature values, Gessner and Chauvet (2002)
proposed categories of ratios of decomposition rates to estimate ecosystem alteration
in streams (for streams with high potential shredder abundance): kc:kf ratios ranging
between 1.2 and 1.5 indicate no clear evidence of environmental alteration, ratios
below 1.2 or ranging from 1.5 to 2 indicate moderate disturbance, whereas ratios
>2 indicate severe disturbances. However, very high values of pollution may affect
even tolerant shredder species, which may translate to low kc and consequently low
kc:kf . Importantly, whereas moderate levels of nutrient pollutionmight enhance litter
nutritional quality and facilitate a greater invertebrate contribution to decomposition
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(i.e., increasing kc relative to kf ), moderate levels of other disturbances, such as
with hydromorphological degradation, riparian disturbances, and insecticides, may
decrease invertebrate contribution to litter decomposition, thus decreasing kc relative
to kf .

ApplyingGessner and Chauvet (2002) categorization to the data fromHanda et al.
(2014) suggests severe alteration of the decomposition process in their temperate
stream. A re-analysis of the data from Ferreira et al. (2015) suggests that a threshold
ratio of 2 as an indication of severe alteration might be too low for many streams,
including reference streams where shredder density and biomass may be naturally
very high (see Sect. 21.3), especially when testing labile litter (Hieber & Gessner,
2002). Datasets with a broader gradient of environmental change than those used in
Gessner and Chauvet (2002) suggest unimodal relationships between kc:kf ratio and
nutrient pollution. For instance, a reanalysis of the data compiled by Ferreira et al.
(2015) suggests a unimodal relationship with maximal ratios of kc:kf at 3.5 mg/L
dissolved inorganic nitrogen (DIN) and 0.029 mg/L PO4-P although with a high
variability below the curve (see Sect. 21.3). Additionally, low kc:kf can also occur
in stream naturally lacking efficient shredders, such as some tropical and insular
streams (Bruder et al., 2014; Ferreira, Raposeiro et al., 2016).

Other approaches to the kc:kf ratio have been used. These include estimation of
invertebrate-mediated decomposition rates (kinvertebrate) in isolation from decompo-
sition mediated by microbes, and hence typically calculated based on the difference
betweenpercent littermass remaining in coarse- andfine-meshbags.Apan-European
study, spanning stream sites along a very broad pollution gradient also suggests
unimodal relationships of kinvertebrate with nutrient concentrations (Woodward et al.,
2012). These relationships had maximum values at approximately 3 mg/L DIN and
0.025 mg/L SRP. Unimodal relationships indicate that even tolerant shredder species
become rare in highly polluted sites, e.g., due to exceedingly low levels of dissolved
oxygen (Pascoal & Cássio, 2004), high concentration of ammonia (Lecerf et al.,
2006), or other pollutants, resulting in low values of kc:kf and kinvertebrate.

21.3 Meta-Analysis Exemplifying Methodological
Considerations In The Context Of Nutrient
Enrichment: Reference Sites, Litter Quality
and the Ratio Between Coarse and Fine-Mesh Bag
Litter Decomposition Rates

21.3.1 Rationale

The effects of nutrient enrichment on litter decomposition in streams have been
widely addressed, with empirical studies generally reporting a stimulation of litter
decomposition with increases in dissolved nutrient concentration (Ferreira et al.,
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2006; Gulis & Suberkropp, 2003; Rosemond et al., 2015). However, litter decompo-
sition can be inhibited at high nutrient concentrations, which is generally attributed to
toxicity associated with high concentrations of nitrite or ammonia, or to the concomi-
tant change in other environmental factors (e.g., decrease in dissolvedoxygen concen-
tration or increase in fine sediment load and pesticide concentration) (Lecerf et al.,
2006; Woodward et al., 2012). Even at lower to moderate nutrient concentrations,
the effects of nutrient enrichment on litter decomposition have also been reported
as non-significant when the stream is not nutrient limited or there are other limiting
factors, such as low temperature, co-limitation by other nutrients, or low carbon
quality of the litter (Baldy et al., 2007; Bruder et al., 2016; Chadwick & Huryn,
2003). Ferreira et al. (2015) summarized the effects of nutrient enrichment on litter
decomposition in a meta-analysis of 99 studies that contributed 840 comparisons of
litter decomposition rates in nutrient enriched and reference conditions and found
an overall stimulation of litter decomposition by ~ 50% (95% CI: 41—58%). The
effect was stronger when ambient nutrient concentration was lower and when the
magnitude of the nutrient enrichment was higher (Ferreira et al., 2015). The magni-
tude of the effect also depended on litter identity (e.g., stronger stimulation of more
recalcitrant oak than nitrogen-rich alder litter decomposition with nutrient enrich-
ment), but not on climatic zone or type of decomposer community involved (microbes
alone or microbes and invertebrates, assessed based on fine- or coarse-mesh bags,
respectively) (Ferreira et al., 2015).

21.3.2 Methods

Here we revisit the database first analysed by Ferreira et al. (2015) to compare leaf
litter decomposition rates in coarse- and fine-mesh bags and test the hypothesis that
the magnitude of the effect of invertebrates on litter decomposition is (i) higher
in nutrient enriched compared to reference streams as invertebrates take advan-
tage of increased microbial biomass and activity in nutrient enriched conditions
(Gulis et al., 2006), (ii) higher for more labile and nutrient-rich than for recalcitrant
litter species as invertebrates play a greater role on the decomposition of the former
(Hieber & Gessner, 2002), and (iii) higher for boreal than temperate regions as many
shredders (e.g., from the orders Trichoptera and Plecoptera) have evolved as cold
water species and microbial activity is limited at lower water temperature (Boyero,
Pearson, Dudgeon et al., 2011; Irons et al., 1994; Taylor & Chauvet, 2014; Tiegs
et al., 2019). The database was modified to contain only field correlative studies
(not field manipulative studies) that used leaves (not woody substrates) and both
coarse and fine-mesh bags (not studies that used only one mesh size, or no mesh
bags). This resulted in 14 studies being retained. The matrix was then reorganized
to contrast litter decomposition rates in coarse × fine-mesh bags, which resulted in
218 comparisons.

The effect of invertebrate activity on leaf litter decomposition rates (k, /d) was
estimated per stream site as a response ratio (kc:kf ; Hedges et al., 1999) and combined
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using the random effects model of meta-analysis (with the restricted maximum like-
lihood method for estimation of between-study variance) in R (R Core Team, 2015),
using themetafor package (Viechtbauer, 2010). The effects of invertebrate activity on
the decomposition of alder (A. glutinosa) and oak (Quercus robur) litter incubated in
reference and nutrient enriched streams in boreal and temperate regions were further
compared by estimating effect sizes for each contrast.

21.3.3 Results and Discussion

Leaf litter decompositionwas higher in coarse- thanfine-mesh bags by a factor of 2.42
(95% CI: 2.12—2.66). Thirty-three kc:kf values were detected missing to the right
of the global kc:kf by the Duval and Tweedie’s trim and fill method, which quantifies
publication bias in meta-analyses (Duval & Tweedie, 2000). When these missing
values are inputted into the analysis the new estimate is even higher (kc:kf : 2.82; 95%
CI: 2.57—3.09), suggesting that the results based on the matrix are conservative. As
hypothesized, the higher litter decomposition rates in coarse over fine-mesh bags
was stronger for alder than for oak (p = 0.0001), and stronger in temperate than in
boreal regions (p < 0.001) (Fig. 21.2).

Decomposition rates were higher in coarse- than fine-mesh bags across all sites,
and this difference was observed both in nutrient enriched and reference streams (p
= 0.105) (Fig. 21.2). This may, however, reflect our reliance on classifications of

Fig. 21.2 Effects of invertebrate activity (kc:kf , ± 95% CI) on alder and oak leaf litter decom-
position incubated in reference (Ref) and nutrient enriched (Nut) streams in boreal and temperate
regions (n = 194). The dashed line (kc:kf = 1) indicates no significant effect of invertebrates on
litter decomposition, while R > 1 indicates stimulation of litter decomposition in the presence of
invertebrates. Effects of invertebrates’ activities on litter decomposition are significant when the
95%CI does not include 1. Treatments significantly differ when their 95%CI do not overlap
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reference and nutrient enriched streams provided by the authors of individual studies,
since it is possible that reference streams in some regions have dissolved nutrient
concentrations similar to those of nutrient enriched streams in other regions and vice
versa (see previous section and Table S1 in Woodward et al., 2012).

To overcome this potential artifact, kc:kf was regressed against DIN and PO4-
P concentration (µg/L; ln-transformed) for the entire database, and separately for
boreal and temperate regions usingmeta-regression. The ratio of litter decomposition
in coarse- over fine-mesh bags increased with increasing DIN concentration, both in
analyses of the entire database (slope= 0.116, p < 0.0001, r2 = 0.09) and for boreal
regions (slope= 0.131, p = 0.005, r2 = 0.07), with a similar response also observed
for temperate regions (slope = 0.09, p = 0.058, r2 = 0.02) (Fig. 21.3). We found a
clear positive relationship between kc:kf and PO4-P concentration in boreal regions
(slope= 0.371, p < 0.0001, r2 = 0.49), but not in temperate regions (slope= 0.06, p
= 0.11, r2 = 0.01) or when considering the entire database (slope < 0.01, p = 0.99,
r2 = 0) (Fig. 21.3).

The hump-shaped distribution of kc:kf values along the nutrient gradient, particu-
larly when values are computed for the entire dataset or only for the temperate region,
is similar to that found byWoodward et al. (2012). Hence, although ourmeta-analysis
indicates that invertebrate-mediated litter decomposition may respond positively to

Entire database Boreal regions Temperate regions 

Fig. 21.3 Relationship between the effects of invertebrate activity on litter decomposition (ln kc:kf )
and DIN and PO4-P concentration in stream water (ln-transformed). The horizontal dashed lines
(ln kc:kf = 0) indicate no significant effect of invertebrates on litter decomposition, while ln kc:kf
> 0 indicates stimulation of litter decomposition in the presence of invertebrates. The relationships
(meta-regression) are shown by the solid lines and associated 95% CI by the dashed lines
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nutrient enrichment, it also shows large variability in the response of litter decomposi-
tion at medium levels of nutrient pollution. This may be due to the larger sample pool
found around those medium values, which may reflect larger variability in overall
background conditions, resulting in larger ecological variation aswell. At the extreme
levels of nutrient availability, where fewer sites are normally found, either nutrient
limitation or excess nutrients seem to reduce the feeding capacity of invertebrates on
leaf litter. The boreal region, which in comparison to the temperate region is often
less nutrient polluted but also had fewer sites included in our analysis, did not show a
hump-shaped distribution of kc:kf along the nutrient gradient. Instead, it had a clearer
positive effect of nutrient enrichment on invertebrate-mediated decomposition rates.

Overall, the results from our meta-analysis indicate a potential positive effect
of nutrient availability on litter decomposition up to a level where invertebrate-
mediated decomposition starts slowing down, possibly due to deleterious effects
arising from high levels of nutrient or other pollution. Our results also show a
strong regional component (boreal vs temperate), with distinct responses of leaf litter
and invertebrates to nutrient availability. Finally, our results illustrate the shortcom-
ings in comparing reference vs. treatment streams, particularly when extrapolating
the results across studies or regions that may differ in their criteria for classifying
reference conditions or the availability thereof.

Box 21.2: Alternatives to the use of leaf litter
Bioassessment tools require standardization to ensure comparability of
measurements among sites. Leaf litter may have shortcomings that reduce
comparability of measurements, especially over larger spatio-temporal scales.
These shortcomings might include low cross-scale replicability of the material
being used, since even within the same litter species, spatial and interannual
variability in litter C and nutrient concentration or other sources of intraspecific
variationmight undermine comparability of assays conducted in different years
or at different locations. One approach for addressing this would be to under-
take a detailed analysis of litter characteristics, to account for such variation in
post-hoc analyses. Alternatively, highly standardized organic substrates have
been proposed as substitutes for natural leaf litter, and include the following:

Cotton fabrics have received most attention as alternative material to quan-
tify organic matter decomposition and have recently been used for large-
scale comparisons of decomposition rates in streams (Tiegs et al., 2019).
Cottonfibres aremainly composedof cellulose, and lack significant amounts
of nutrients, lignin, tannins, etc. (Colas et al., 2019), which are important
litter characteristics that control decomposition rates. Moreover, the phys-
ical characteristics of cottonfibres largely preclude invertebrate feeding (van
Gestel et al., 2003) and their consequences for growthof fungal decomposers
are also unknown. Nonetheless, cotton fabrics have been shown sensitive to
dissolved concentrations of nitrogen and phosphorus, as well as to pH and
water temperature (Boulton & Quinn, 2000; Hildrew et al., 1984; Jenkins
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et al., 2013) and to overall effects of agriculture and urbanization (Clapcott
et al., 2012).
Wood veneers and sticks (e.g., commercially available ice cream sticks)
have been used to quantify decomposition rates of plant material of low
resource quality. Wood has lower nutrient but higher lignin concentration
than leaves of most tree species (Arroita et al., 2012). Not surprisingly, the
low resource quality is reflected in extremely low decomposition rates and
low decomposer biomass compared to leaf litter (Arroita et al., 2012), and
decompositionmight be dominated bymicrobes (McTammany et al., 2008).
Decomposition of wood sticks seems to respond to anthropogenic effects
(Abril et al., 2015; Arroita et al., 2012; McTammany et al., 2008), and may
show a hump-shaped relationship with gradients of anthropogenic impacts
(Abril et al., 2015; McTammany et al., 2008), being reduced at elevated
nutrients similar to leaf litter (McTammany et al., 2008). Wood veneers
might provide a promising tool for studies that aim at estimating the process
over longer time scales and/or in situations where physical abrasion by flow
or suspended sediment is substantial.
Agar tablets, known as DECOTABs, are decomposed by microorganisms
whose activity depends on the concentrations of cellulose, nutrients and
minerals mixed into DECOTABs (Hunting et al., 2016; Kampfraath et al.,
2012), but DECOTABs are also readily colonized and consumed by shred-
ders and collector/gatherers (Kampfraath et al., 2012). DECOTABs can
be purposely produced to reflect different organic matter resource quality
(Hunting et al., 2016) and can include contaminants to the mix (Zhai et al.,
2018).
Polymer sticks: decomposition in streams is governed by physical and
biological processes (driven by microbial extracellular enzymes) and can
be estimated by changes in the relative abundance of individual polymer
ions estimated by mass spectrometry (Rivas et al., 2016).
Tea bags have been used due to the ease of implementation and high level of
standardisation. Tea leaves contained within tea-bags can be considered an
extreme example of leaf litter exposed in very small fine-mesh bags. Often
tea bags of two contrasting types are used, and the difference in mass loss
between the two may reflect differences in nutrient limitation in the system
(Seelen et al., 2019). Currently, we are not aware of any data of microbial
biomass and community composition measured from tea bags exposed in
freshwaters. It remains to be seen if the particular litter quality often used as
tea results in representative decomposition rates and decomposer activities.
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21.4 Final Considerations

Litter decomposition has been tested and used as a measure of functional integrity
in freshwater ecosystems for more than two decades in various ecological contexts.
Most of these studies have shown negative effects of anthropogenic stressors on
microbial and invertebrate-mediated decomposition rates. Nonetheless, questions
regarding its suitability as a tool for stream ecosystem assessment remain. An impor-
tant aspect is the lack of consensus on the consequences of altered (increased or
decreased) decomposition rates for ecosystem functioning, for the integrity of local
food webs, and for fluxes of energy into adjacent ecosystems.

Exampleswhere a disturbance affects key decomposer groups and reduces decom-
position rates seem straight-forward. Such cases are often interpreted as indicating
impairments in ecosystem functioning, likely associated with reduced fluxes of
carbon and nutrients from the litter into secondary production (Frainer et al., 2016;
Halvorson et al., 2018; Kominoski et al., 2018; Rosemond et al., 2015). This can lead
to accumulation of organic matter which might then either be broken down anaero-
bically (often associated with a greater production of CO2 and CH4) or else washed
downstream and lost from the local food web (Lepori et al., 2005). The consequences
of reduced decomposition rates on secondary production and entire food webs are
still largely unknown, as compensatory mechanisms, including the use of alternative
resources by consumers, could mask negative effects brought about by reduction in
leaf litter availability, palatability, or nutritional quality. On the other hand, increased
decomposition rates in response to stressors is not always a sign of good ecosystem
integrity, and might therefore in itself be an indication of anthropogenically altered
processes (McKie & Malmqvist, 2009). For example, production of fine particulate
organicmatter as litter fragments or of shredder fecal particles that exceeds the uptake
capacity of local consumers might result in greater downstream export of carbon and
nutrients, and longer, more leaky, nutrient spirals (Bundschuh & McKie, 2016).

The importance of these different scenarios depends on the goals of ecological
assessment. If the goal is to assess whether ecosystem functioning has changed
following a disturbance, the approach of comparing decomposition rates between
impacted and reference sites, and before and after the disturbance when possible,
will often be sufficient. Beyond this, development of a more specific assessment
framework will require calibration of the litter decomposition assay. Such calibra-
tion requires not only accounting for how different disturbances typically affect
decomposition rates (increase or decrease), but also understanding what response
would be expected from a well-functioning biota compared to an impacted biota,
and ultimately the consequences of changed functioning in interlinked ecosystems.

A more advanced framework for litter decomposition assays should also include
guidelines on and harmonization of methodological choices, including of e.g., mesh
sizes and litter species, and duration of the assay. For example, if addressing the
effects of nutrient enrichment, low-nutrient litter with high quality carbon is better
suited than high-nutrient litter where microbes are not nutrient limited. If phys-
ical fragmentation might be relevant at the site, the use of fine-mesh bags may
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be advised; if invertebrates are an important organism group, coarse-mesh bags are
required. Temporal dynamics of the decomposition process are key, since the impacts
of different types of human disturbances might be best assessed at different points
in the decomposition process. For example, an impact primarily on microbes might
need to be assessed over a different duration than impacts on detritivores; however,
this issue has not received much attention in research. Finally, regional variation is
also important. Larger scale studies using litter decomposition (e.g., Boyero, Pearson,
Gessner et al., 2011;Woodward et al., 2012) indicate high inter-regional variability of
decomposition rates, evenwhen identical littermaterial is used and hydromorpholog-
ical conditions among sites are similar. This suggests that region-specific guidelines,
for example for litter species or the season and length of the decomposition assay,
might be required. Standardization by degree-days is one approach for increasing
comparability among regions where the duration of the assay might need to vary.

The shortcomings described here are not exclusive to the use of litter decom-
position as a bioassessment tool. Many countries and environmental agencies rely
solely on structural measures for stream bioassessment, although they oftentimes
still lack proper national or regional classification criteria for their target organisms.
Also, structural measures are most commonly taken as snapshots in time, without
accounting for temporal variability in community composition. These shortcomings
do not prevent the use of structural measures in bioassessment and should also not
prevent the use of litter decomposition assays when this measure suits the goals of
bioassessment. National- or regional-level monitoring programs are likely to be the
best suited for using litter decomposition in bioassessment due to the more practical
evaluation and definition of reference conditions and easier standardization of the
litter type (see Box 21.1). Helping to reduce costs, knowledge from these cases may
even allow litter decomposition to be used as alternative to structural measures when
suitable, instead of as a complementary tool.

There is increasing consensus that litter decomposition is enhanced in streams
with low to moderate nutrient enrichment. Woodward et al. (2012) pointed out that
this is in fact the range of nutrient enrichment levels for which structural measures
(e.g., those based on EPT-taxa) may be less effective, highlighting the potential
for an environmental assay based on litter decomposition to address a gap in the
sensitivity of current ecological assessment approaches. At higher nutrient levels,
decomposition is inhibited by toxic effects of ammonia or nitrite and other stressors,
resulting in similar kc:kf ratios as those of reference conditions. Other stressors,
e.g., habitat loss, vegetation change, hydro-morphological modifications, siltation,
salinization, temperature alterations, parasites, species invasion, and other conse-
quences of land use modification have not been assessed to the same detail as those
of nutrient enrichment, but ongoing research is rapidly filling these knowledge gaps.
Despite these challenges, the use of litter decomposition as a complementary tool,
and in some cases, as substitute for structural measures, may provide much detail
and mechanistic understanding of effects of anthropogenic stressors in freshwater
ecosystems. Litter decomposition assays are fairly easy to implement and the abun-
dant scientific literature and interest all highlight their value as an important measure
of ecosystem functioning in ecosystem assessments.
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Chapter 22
Leaf Litter Decomposition
as a Contributor to Ecosystem Service
Provision

John S. Richardson and Dalal E.L. Hanna

Abstract Leaf litter decomposition supports the provision of numerous ecosystem
services—that is, the benefits nature provides to humans—through its contribution
to the reduction and storage of organic materials that could negatively impact water
supplies, and its support of the productivity of freshwater ecosystems. The magni-
tude of these services varies spatially, and with land use. Leaf litter decomposition
contributes a large fraction of energy supporting production in small streams, and to
downstream production through supplies of finer particles produced by consumers.
Decomposition results in storage of carbon as biomass in biological communities,
and reduces the amounts of organic materials that could impact water quality down-
stream. Changes in water quality that result from decomposition can also influence
the aesthetic and recreational value ofwaterways. Land use can influence decomposi-
tion, for instance elevated nutrient concentrations can result in higher decomposition
rates, but high temperatures and sediment loads may diminish those rates. Changes
in the rates of such ecosystem functionsmay be proportional to changes in the associ-
ated benefits provided to humans. While decomposition is a key ecosystem function
that can contribute to the provision of numerous services, there are few estimates of
the human value of this process in freshwaters.

22.1 What Are Ecosystem Services, and How Can
Decomposition of Litter in Freshwater Contribute
to Service Provision?

Ecological processes and phenomena contribute to the well-being of humans in
many ways. These have been considered as ecosystem services to highlight the
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diverse benefits nature provides to people (Díaz et al., 2018; Millennium Ecosystem
Assessment, 2005). The value of ecosystem services can be determined using a suite
of indicators, ranging from biophysical, to qualitative, to monetary. Replacing the
contributions nature makes to people using human technology can be expensive
(Costanza et al., 1997), and is not always possible (Raudsepp-Hearne et al., 2010).
Leaf litter decomposition in freshwaters is an ecosystem function that supports the
provision of several ecosystem services, as we will discuss in this chapter.

Ecosystem services, also referred to as nature’s contributions to people (Díaz
et al., 2018), are generally defined as the benefits humans accrue from nature, such
as production of fiber and timber, pollination of crops, provision of clean water, as
well as access to areas within which to recreate or to feel a connection with nature.
The provision of ecosystem services is dependent on different forms of capital,
which can range from natural, to social, to financial (Natural Capital Coalition,
2019). The history of the use of the term ecosystem services covers a half century,
but has been focused in popular discourse by inclusion as a central aspect of the
Millennium Ecosystem Assessment (2005). There are several different ecosystem
services typologies (e.g., CICES,MA, TEEB). One of the most commonly used ones
was outlined in the Millennium Ecosystem Assessment (MA), and defines four main
categories of types of ecosystem services, including: cultural ecosystem services
(nonmaterial benefits such as the aesthetic beauty of streams, or their emotional
and spiritual significance to certain people, and the access they provide to an area
to do recreational activities); provisioning ecosystem services (material products
obtained from ecosystems such as freshwater for drinking and fish for consumption);
regulating ecosystem services (benefits derived from the regulation of ecosystem
processes such as the purification of water or prevention of erosion); and supporting
ecosystem services (necessary processes for the production of other services such as
habitat provision and nutrient cycling).

Numerous resources now reclassify supporting services as ecological processes
rather than services per se. This distinction wasmade because these processes, which
may also be considered supporting services, are often essential first steps for the
successful provision of other services, making it difficult to disentangle their provi-
sion and monetary values (Carpenter et al., 2009; Hein et al., 2006; Mancinelli &
Mulder, 2015). Distinguishing between the two can help to identify which services
(or processes) should be considered when assessing the monetary value of the contri-
butions nature makes to people because it helps avoid issues associated with double-
counting—an erroneous practice whereby the monetary value of services that are
not distinct from each other are summed (Fu et al., 2011). Considering the rela-
tionship between services, and which among these are intermediate (i.e. required
processes for the provision of a benefit humans derive from nature), as opposed to
final (i.e. services that directly lead to the provision of a benefit), is a useful approach
to determine which services can be considered in a monetary valuation without
double-counting (Fisher et al., 2009).

Ecosystem services can be quantified using a range of indicators spanning from
biophysical, to qualitative, tomonetary, each assessing value in uniqueways (Seppelt
et al., 2011). The indicators used to assess an ecosystem service may also reflect
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different aspects of that service—the capacity of an ecosystem to provide services
(i.e. the type, amount, and quality of services available)may be distinct to the demand
for services (i.e. the type, amount, and quality of services used or wanted by people)
(Villamagna et al., 2013). The most appropriate indicators to quantify services are
therefore context dependent, and should be determined based on a range of consid-
erations including what information those quantifying services are interested in,
how they intend to use their quantification, who is involved in the quantification or
likely to be affected by it, and the resources at the disposal of those undertaking the
quantification (e.g., Felipe-Lucia et al., 2015; Hanna et al., 2018).

Decomposition in freshwaters contributes to ecosystem service provisioning in
several ways (Table 22.1). First, decomposition contributes to regulating water
quality by reducing the amounts of organicmaterials inwater, which provides cleaner
water to downstream users, requiring less processing to prepare for human consump-
tion. Next, the role of decomposers in clarifying water also helps maintain the
aesthetic value of freshwater systems, which people may consider to be unclean and
“muddy” (e.g., Macadam & Stocken, 2015) without decomposers reducing amounts
of organicmaterials found inwater. The aesthetic appearance ofwaterways also influ-
ences the ways in which they are used by people for recreation. Third, decomposition
contributes to secondary production of freshwater ecosystems, primarily valued as
fish production, a provisioning service. Fourth, decomposition may be considered a
mechanism for carbon sequestration, largely in the biomass of organisms, thereby
contributing to the regulation of climate. Various approaches can be used to quantify
how decomposition contributes to the provision of these services. When working
to assign them a monetary value it is especially important to be explicit about how
they do or do not provide independent values, and to avoid double counting of the

Table 22.1 Summary of ecosystem services supported by leaf litter decomposition

Ecosystem services supported by
decompositiona

Brief explanation of how decomposition supports
service provision

Water quality regulation Decomposition removes leaf detritus from aquatic
ecosystems, reducing the particulate carbon load in
the water and therefore regulating its quality by
improving clarity and reducing some costs of removal

Aesthetic and recreational value of
waterways

Leaf litter decomposition removes leaves from
aquatic ecosystems giving them the clear appearance
that is often valued by recreational users

Provisioning of food Through the consumption of carbon and conversion
of leaf litter, decomposition contributes to the
production of tissue which in turn becomes available
as food for higher trophic levels, including humans

Carbon sequestration Decomposition degrades detritus and stores it as
biomass which can sequester carbon over a range of
time scales

aThis list is an example of ecosystem services supported by decomposition and is not necessarily
exhaustive
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different outcomes (Fu et al., 2011). In the next sectionwediscuss howdecomposition
contributes to the provision of each of these ecosystem services in turn.

Ecosystem functions contribute to the provision of services where humans access
the benefits derived from function or gain value from it. With decomposition, these
benefits can be transported from where they occur to hydrologically connected areas
where people may also benefit from them. For example, stream decomposition can
result in downstream improvements in water quality (Emelko et al., 2011), and the
contribution of decomposition to secondary production may benefit fish in different
spatial patches relative to where the initial process takes place (Losey & Vaughan,
2006;Wipfli&Gregovich, 2002). The spatial disconnect between the locationswhere
ecosystemservices supportedbydecomposition are produced and the locationswhere
they produce tangible benefits to humans emphasizes the importance of considering
hydrological connectivitywhenworking tomanage hydrological ecosystem services,
such as those supported by decomposition (Brauman et al., 2007; Sutherland et al.,
2018).

22.2 Evidence for the Relative Importance
of Decomposition for Ecosystem Service Provision:
Mineralisation, Production, and Storage

1. Water quality regulation

Leaf detritus is decomposed and some of that stored energy is respired as CO2

(mineralised), or CH4 under anaerobic conditions, removing it from the system and
reducing the particulate carbon load that might be carried downstream. This process
removes leaf litter from the water and reduces water processing for other uses down-
stream, therefore contributing to the regulation of water quality. Decomposition in
tributary streams can reduce the biological oxygen demand in reservoirs if there
were large inputs of leaf litter, which further compromises water quality. In partic-
ular, aquatic insects provide a large role in decomposition of leaf litter in freshwaters,
at least in temperate zones (Macadam & Stockan, 2015). Perhaps 50% or more of
decomposition is due to invertebrate feeding (Cuffney et al., 1990; Hieber&Gessner,
2002). However, microbes (bacteria and fungi) are considered to be more important
to these processes in tropical regions (Boyero et al., 2011). Detritivorous inverte-
brates may consume a large portion of leaf litter annually. One estimate based on
litterbag studies suggests 17–45% of leaf litter is consumed by detritivores (Eggert
& Wallace, 2003). Wallace et al. (1995) estimate that of leaf litter entering small
streams, only about 2–5% is transported downstream as coarse particles, and the rest
is biologically processed within the local stream system. Of course, some fraction
of leaf litter is converted to fine particles (e.g., faeces), which form important food
resources for other organisms (microbes and invertebrates) and are sequestered in
consumer biomass (see points 3 and 4 below) or flushed downstream where they
might need to be filtered from drinking water supplies.
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2. Aesthetic and recreational value of waterways

Cleanwater and clear, cobble-bottom streambeds have an aesthetic value (cultural
ecosystem service) that is supported by decomposition. This value can in turn influ-
ence the provision of other recreational services—perceptions of collections of
organic materials along stream and lake shorelines might affect how people use
waterways. Indeed, research shows that in the United States, people are willing to
travel almost an hour further and spend more money to access clearer waterways to
recreate (Keeler et al., 2015). In Finland, people prefer to swim and fish in clearer
waterways (Vesterinen et al., 2010), and in New Zealand water clarity affects the
overall suitability people assign to waterways for their use (Smith et al., 1995).
Although no studies to date have assessed the specific monetary value of decomposi-
tion as a contributor to the aesthetic and recreational value of waterway shorelines, it
is clear that decomposition is essential for transforming the leaves and organic matter
found in waterways. Through this process, leaf litter decomposition helps secure the
clear appearance of water that is valued by numerous people. Because waterways
are hydrologically connected, this process not only contributes to the aesthetic and
recreational value of waterways in the regions it takes place in, but also in connected
downstream regions.

3. Provisioning of food

Carbon consumed contributes to production of new tissue, which is available
as food for higher trophic levels, including humans. One attempt to quantify this
as a provisioning service considered aquatic insects as food for recreationally and
commercially valuable fish (Losey & Vaughn, 2006). The proportion of this flow
of detritivores to fish production around the world has not been evaluated, although
detritivores of leaf litter, or fine particles produced from leaf litter, can make up
a substantial portion of the biomass in freshwaters. The adult stages of aquatic
shredding insects also contribute to production in the terrestrial environment, but
whether these contribute to service provision depends on the terrestrial consumers,
and whether they contribute to food chains that humans are a part of.

The process of decomposition by detritivores may also convert litter into other
kinds of particles, including dissolved organicmatter (DOM) consumed bymicrobes.
These small particles can contribute to productivity downstream, and there is
evidence that production of many animals depends on finer particles produced by the
actions of larger invertebrate species, particularly by consumers of leaf litter (Heard
& Richardson, 1995). This flow of energy to organisms feeding on finer particles
(FPOM—fine particulate organic matter) may be a greater contributor to the produc-
tion of fish and other animals (e.g., waterfowl) than the direct contribution of leaf
litter detritivores.

4. Carbon sequestration

Detritus that is processed and stored as biomass contributes to retention and
storage of carbon in riverine ecosystems (Sutfin et al., 2016; Wohl et al., 2012).
This latter function is also related to production (above). It has been estimated that
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in excess of 75% of total production in small streams is based on decomposition of
terrestrial leaf litter and incorporation into stream food webs (e.g., Fisher & Likens,
1973). Removal of litter inputs reduced overall stream production to <20% of when
leaves contribute to support of the food web (Wallace et al., 1999). Wallace et al.’s
(1995) removal of detritivores resulted in a ~25% decrease in supply of FPOM to
downstream when insects were killed with an insecticide.

22.3 Variation in the Provisioning of Services Across
Geographies and Seasons

Rates (and values) of the decomposition function differ with ecosystem type and
size, climate, landscape type, etc. A large fraction of decomposition of leaf litter
occurs in small streams, especially those with complex channels, but the landscape-
level proportion of this has not been calculated. Decomposition rates are also highly
dependent on temperatures (season), life cycle timing of consumers, and input timing
(e.g., Tank et al., 2010).

Organicmatter inputsmay be exported from source streams, although having been
transformed into prey organisms that can be consumed by predators downstream
(Richardson, 2020). Export of invertebrates will have less impact on water quality
downstream. For instance, Wipfli and Gregovich (2002) demonstrated that export
of invertebrates from small streams, and based on consumption of leaf litter, could
support half the production of fishes in receiving reaches. The rate of decomposition
depends on types of consumers available, and there is evidence that the composition
of the consumer assemblage varies with latitude and hence the service can vary
latitudinally (e.g., Boyero et al., 2011).

Hill et al. (2014) estimated the value of some ecosystem services in headwater
streams, primarily nutrient retention and mineralization. They found enormous vari-
ation in the values of N sequestration and N mineralisation in headwaters across
the USA, from 22.2 to 64.9 kg/ha/y and 8.08 to 31.8 kg/ha/y, respectively. These
differences across landscapes were related to land cover and land use, as well as
climatic variation. Whether there is such variation in provision of services from
decomposition across landscapes is currently unexplored. Moreover, even if a func-
tion contributes to a change, it may not support an ecosystem service unless there are
humans to benefit from it, so in many regions there would be no service generated
from decomposition, although there may be capacity to provide services (Sutherland
et al., 2018).

There are few, if any, studies of the importance of decomposition as a contributor
to ecosystem service provision in lakes. Several studies mention carbon seques-
tration in lakes and wetlands as supporting an ecosystem service (e.g., Villa &
Bernal, 2018), but there are no studies of decomposition as an ecosystem func-
tion itself. Villa & Bernal (2018) estimate that freshwater wetlands may contribute
to storage of ~700 Mg C/ha, and low decomposition rates attributed to recalcitrance
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of organic matter, limiting nutrient supplies, and anaerobic conditions in wetlands. In
this case, the apparentlyminor role of decompositionmay contribute to an alternative
ecosystem function, i.e., storage, in these freshwaters. However, these accumulations
can also reduce the value of the service it supports by causing anoxia and potentially
enhancing methanogenesis, with methane being a more potent greenhouse gas than
CO2.

22.4 Influence of Protection and Land Use
on the Contribution of Leaf Litter Decomposition
to Provisioning Rates

The protection status, land use, and cover of the landscape surrounding streams
affects the ecosystem services and biodiversity supported by streams (Hanna et al.,
2020). Stream decomposition rates and the services they support are also likely to be
affected by land use as described below and elsewhere in this book. Often land use
that removes canopy from stream riparian zones has negative impacts by reducing
habitat quality and altering rates of several ecosystem functions, including decom-
position. Alterations of temperature regimes (often warmer in summer), changes
to bank stability and wood inputs, different hydrological patterns and reduction in
litter inputs are all consequences of streamside modification, which have known
effects on decomposition rates. Hydrological alterations to streams from land use
can exacerbate peak flows, and result in greater export rates of undecomposed litter
to downstreamwhere it could impair water quality (e.g., Hoover et al., 2006;Wallace
et al., 1995). Similarly, reductions of flow also affects leaf litter decomposition rates
(Huang et al., 2018). Changes in the rates of these processes above can in turn
feedback to influence the provision of related services.

Landscape-scale land-use intensity can also influence decomposition and related
services: in a study in Germany, land-use intensity across the landscape (agriculture
and viticulture) reduced microbial rates of decomposition of leaf litter by about 30%,
but there was no significant effect when macroinvertebrates were allowed access to
leaves by using coarse-mesh nets (Voss et al., 2015). Other studies have demonstrated
effects of watershed-scale canopy cover onmacroinvertebrate communities—a study
in Canada found that streams that benefit from riparian zone protection but have
varying levels of development (i.e. canopy cover) in theirwatersheds support different
communities of macroinvertebrates (Hanna et al., 2020). As further discussed below,
shifts in macroinvertebrate communities can affect decomposition rates (Srivastava
et al., 2009).

Stream-channel complexity or heterogeneity is important to providing diverse
habitats, and is one objective of stream restoration activities. Adding to the physical
structure of degraded streams has been shown to increase decomposition rates and
storage of fine particulate materials in a study in northern Sweden (Frainer et al.,
2018). They found decomposition rates of leaf litter were ~60% higher in restored
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and reference streams compared to channelized streams, mostly due to higher abun-
dance and diversity of macroinvertebrates (Frainer et al., 2018). They also found that
retention of FPOM nearly doubled across their restored treatment streams.

Loss of species diversity of detritus consumers can lower decomposition rates.
Srivastava et al. (2009) found using meta-analysis that higher taxonomic diversity
of consumers resulted in an average 57% higher decomposition rate of leaf litter.
Hence, loss of biodiversitymay reduce rates of decomposition in freshwaters, thereby
affecting the services this process supports.

Changes in diversity of detritus consumers can result from a variety of factors,
ranging from land-use change to the establishment of invasive species. Indeed,
research shows that stream watershed land-use change also results in macroinverte-
brate species assemblages shifts (Hanna et al., 2020). Research also points to exam-
ples of invasive species establishment decreasing the provision of ecosystem services
(Walsh et al., 2016). However, invasion may also result in an increase in service
provision. In Europe, an invasive crayfish and crab were able to increase rates of
decomposition (by ~75%), and increased production of FPOM relative to the native
crayfish (Doherty-Bone et al., 2018).

Streamside (or lakes or wetlands) clearingmay increase temperatures by reducing
canopy cover, increasing rates of decomposition.At the same time, decreasing canopy
cover reduces inputs, which are essential for sustaining decomposer communities
(e.g., Richardson, 1991). Vegetation change through management or succession
through natural disturbances alters litter quality, and the rates of decomposition
(Bastias et al., 2018; Kominoski et al., 2011), altering potential for service provision.
The leaf litter of many plantation tree species tends to be of low quality and decom-
poses very slowly, such as eucalyptus, pine, Douglas-fir and others (e.g., García et al.,
2012; Seena et al., 2017), reducing the potential of decomposition prior to arriving at
water intake facilities. Mild nutrient enrichment can accelerate decomposition (e.g.,
Rosemond et al., 2015). However, pollution in many forms reduces decomposition
rates and can alter the capacity of the process to contribute to service provision.
Experimental additions to mesocosms of chlorothalonil, the most commonly applied
fungicide used in agriculture in theUSA, resulted in ~28%decrease in decomposition
rates (McMahon et al., 2012). A common insecticide, chlorpyrifos, reduced decom-
position rates by ~21% in a mesocosm experiment (Chará-Serna & Richardson,
2018). Water abstraction can also result in lower decomposition rates, as rates were
36–60% lower in streams with water withdrawals, although this was only detected
in winter and not spring (Arroita et al., 2015). Together, these examples demonstrate
that land-use impacts can dramatically alter the rates of this ecosystem function, and
the potential for the provision of related ecosystem services.
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22.5 Trade-off and Synergies of Ecosystem Service
Provision Associated to Decomposition

The ecosystem services supported by decomposition can interact with each other,
resulting in trade-offs or synergies (Rodríguez et al., 2006). For example, an increase
in water quality regulation via the process of leaf litter decomposition is likely to
result in positive outcomes for perceived aesthetic value, which can in turn increase
recreational benefits people derive from a waterway. The relationship between water
quality regulation and the aesthetic and recreational value ofwaterways is an example
of a synergy between ecosystem services, whereby the increased provision of one
service enables the increased provision of other services. High decomposition may
also lead to lower rates of other processes that support the provision of ecosystem
services. For instance, reconstructed wetlands in Illinois showed an inverse relation-
ship between the magnitude of carbon storage as leaf litter and decomposition rates.
Using a cotton strip assay, this study demonstrates that bigger wetlands with more
organic matter lead to more anoxic conditions and lower decomposition rates (Jessop
et al., 2015), as anaerobic decomposition is slower than aerobic processing. This is
an example of how the provision of a service like carbon storage may trade-off with
the provision of others supported by decomposition, such as aesthetics. Considering
how different ecosystem services interact is important when making management
decisions, as efforts to increase the provision of single services can lead to unexpected
outcomes for the provision of others (Bennett et al., 2009). In the context of leaf litter
decomposition, considering howwaterwaymanagement or restoration strategies will
affect decomposition and related services helps understand how actions are likely to
affect ecosystem service provision.

Increasing degrees of stream intermittence by water use and diversion, and by
climate change, may reduce the capacity of stream decomposers to contribute to
ecosystem service provision, and in the end transfer more of the organic material
downstream where it may perturb water quality (e.g., Datry et al., 2018). Service
value will depend on how intermittency progresses, whether in the headwaters or
truncated where larger streams lose surface flow (interrupted).

22.6 Conclusion

“In particular, the decomposers as a group must be food-limited, since by definition
they comprise the trophic levelwhich degrades organic debris” (Hairston et al., 1960).
Hairston et al. (1960) go on to note that if not for decomposers of organic matter,
detrital material “…would accumulate rapidly”. It has been shown in several ways
that decomposers are in fact limited by their organic matter resources and generally
increase (Richardson, 1991) or decrease (Rowe & Richardson, 2001; Wallace et al.,
1999) proportionally to the abundance of their resources. Fortunately, decomposers
provide a function that contributes to human well-being.
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Decomposition of organicmatter in freshwater supports the provision of important
ecosystem services. Provision of cleaner water, the aesthetics of cleaner shorelines,
supporting secondary production, and increased carbon storage are all outcomes of
this ecosystem function that are valued by humans.
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