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Special Foreword

Almost 60 years ago now the Springer book series ‘Residue Reviews/Rückstands-
Berichte’ was initiated in 1962 under the editorship of Francis A. Gunther, who
wrote in the Preface to Volume 1, January 1962: ‘The justification for the prepara-
tion of any review for this book series is that it deals with some aspect of the many
real problems arising from the presence of residues of foreign chemicals in food-
stuffs. The scope of “Residue Reviews” is international. It encompasses those
matters, in any country, which are involved in allowing pesticide and other plant-
protecting chemicals to be used safely in producing, storing, and shipping crops.
Added plant or animal pest-control chemicals or their metabolites that may persist
into’ meat and other edible animal products. . .’.

One year later in January 1963, Gunther evaluated: ‘That residues of pesticides
and other “foreign” chemicals in foodstuffs are of concern to everyone everywhere is
attested by the reception accorded Volumes 1 and 2 of ‘Residue Reviews’, and by
the gratifying enthusiasm, sincerity, and efforts shown by the individuals I have
asked to prepare manuscripts. Many manuscripts on residue affairs are in prepara-
tion, but the field is so large and the non-polemical interests in it so varied that the
editor and the Advisory Board will welcome suggestions for topics considered
suitable and timely for review in this international book-series. There can be no
serious question that pesticide and food-additive chemicals are essential to adequate
food production, manufacture, marketing, and storage, yet without continuing sur-
veillance and intelligent control some of those that persist could at times conceivably
endanger the public health. The object of “Residue Reviews” is to provide concise,
critical reviews of timely advances, philosophy, and significant areas of accom-
plished or needed endeavor in the total field of residues of these chemicals in foods,
in feeds, and in transformed food products. These reviews are either general or
specific, but properly they may lie in the domains of analytical chemistry and its
methodology, biochemistry, human and animal medicine, legislation, pharmacol-
ogy, physiology, regulation, and toxicology. . .’. Today, the words Gunther wrote are
equally valid for the series when one substitutes ‘food’ or ‘foodstuffs’ by
‘environment’.
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Gunther, later with the help of his wife Jane Davies Gunther, served for almost 25
years as the editor-in-chief of the book series. Volumes 1–97 of the book series were
published bearing the title: ‘Residue Reviews. Residues of Pesticides and Other
Contaminants in the Total Environment’. In 1986 (Volume 98), the title of the series
was modified into ‘Reviews of Environmental Contamination and Toxicology’
(RECT) and George W. Ware took over the role of editor-in-chief. In 2008, David
M. Whitacre succeeded Ware to become the editor-in-chief of RECT when Volume
194 was published. Whitacre served until Volume 235 (2015), when he invited me to
become the next editor-in-chief. Gunther, Ware, and Whitacre were three editorial
giants who turned out to be pivotal in the shaping of RECT into its present, highly
successful status.

Apart from maintaining the original form of a book series, the publisher decided
to also register RECT with an ISSN number, the series thus becoming also known as
a regular journal with entries into the important publication databases, such as Web
of Knowledge and PubMed. The change of the title that was effective as of 1986
reflected the wish felt by the editors and the publisher to widen the scope of the
journal from food-focused research to reviews dedicated to environmental contam-
ination and its consequences for the health of both humans and ecosystems. Together
with the companion journals the Bulletin of Environmental Contamination and
Toxicology (BECT) and the Archives of Environmental Contamination and Toxi-
cology (AECT), the entire scope of article types a scientist may wish to publish,
ranging from short communications to archival papers to lengthy reviews, is thus
covered by a triumvirate of journals from the same publisher. The editors-in-chief of
BECT, AECT, and RECT jointly with the publisher discuss on a regular basis the
scopes of the three journals and the complementary editorial policies for each of the
journals.

Over the almost 60 years that the book series now exists, RECT has become a
concept in the scientific community dealing with the processes that underlie emis-
sions, behaviour, fate, and effects of environmental contaminants and the method-
ologies to monitor and quantify these. To celebrate the publication of the 250th
volume of the book series/journal, the members of the current Board of Associate
Editors of RECT were invited to provide contributions from their own Institutes.
These reviews were assembled for this special anniversary issue of RECT after being
subjected to the common peer review protocol. The current volume illustrates both
the width of RECT’s scope and the diverse scientific background of the members of
its Editorial Board, without whom the success of the series would never have
reached the standard it currently has achieved.

Pim de Voogt
Editor-in-Chief
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Foreword

International concern in scientific, industrial, and governmental communities over
traces of xenobiotics in foods and in both abiotic and biotic environments has
justified the present triumvirate of specialized publications in this field: compre-
hensive reviews, rapidly published research papers and progress reports, and
archival documentations These three international publications are integrated and
scheduled to provide the coherency essential for nonduplicative and current pro-
gress in a field as dynamic and complex as environmental contamination and
toxicology. This series is reserved exclusively for the diversified literature on
“toxic” chemicals in our food, our feeds, our homes, recreational and working
surroundings, our domestic animals, our wildlife, and ourselves. Tremendous
efforts worldwide have been mobilized to evaluate the nature, presence, magnitude,
fate, and toxicology of the chemicals loosed upon the Earth. Among the sequelae of
this broad new emphasis is an undeniable need for an articulated set of authoritative
publications, where one can find the latest important world literature produced by
these emerging areas of science together with documentation of pertinent ancillary
legislation.

Research directors and legislative or administrative advisers do not have the
time to scan the escalating number of technical publications that may contain
articles important to current responsibility. Rather, these individuals need the
background provided by detailed reviews and the assurance that the latest informa-
tion is made available to them, all with minimal literature searching. Similarly, the
scientist assigned or attracted to a new problem is required to glean all literature
pertinent to the task, to publish new developments or important new experimental
details quickly, to inform others of findings that might alter their own efforts, and
eventually to publish all his/her supporting data and conclusions for archival
purposes.

In the fields of environmental contamination and toxicology, the sum of these
concerns and responsibilities is decisively addressed by the uniform, encompassing,
and timely publication format of the Springer triumvirate:
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Reviews of Environmental Contamination and Toxicology [Vol. 1 through 97
(1962–1986) as Residue Reviews] for detailed review articles concerned with
any aspects of chemical contaminants, including pesticides, in the total environ-
ment with toxicological considerations and consequences.

Bulletin of Environmental Contamination and Toxicology (Vol. 1 in 1966) for
rapid publication of short reports of significant advances and discoveries in the
fields of air, soil, water, and food contamination and pollution as well as
methodology and other disciplines concerned with the introduction, presence,
and effects of toxicants in the total environment.

Archives of Environmental Contamination and Toxicology (Vol. 1 in 1973) for
important complete articles emphasizing and describing original experimental or
theoretical research work pertaining to the scientific aspects of chemical con-
taminants in the environment.

The individual editors of these three publications comprise the joint Coordinating
Board of Editors with referral within the board of manuscripts submitted to one
publication but deemed by major emphasis or length more suitable for one of the
others.

Coordinating Board of Editors
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Preface

The role of Reviews is to publish detailed scientific review articles on all aspects of
environmental contamination and associated (eco)toxicological consequences.
Such articles facilitate the often complex task of accessing and interpreting cogent
scientific data within the confines of one or more closely related research fields.

In the 50+ years since Reviews of Environmental Contamination and Toxicology
(formerly Residue Reviews) was first published, the number, scope, and complexity
of environmental pollution incidents have grown unabated. During this entire
period, the emphasis has been on publishing articles that address the presence
and toxicity of environmental contaminants. New research is published each year
on a myriad of environmental pollution issues facing people worldwide. This fact,
and the routine discovery and reporting of emerging contaminants and new envi-
ronmental contamination cases, creates an increasingly important function for
Reviews. The staggering volume of scientific literature demands remedy by which
data can be synthesized and made available to readers in an abridged form. Reviews
addresses this need and provides detailed reviews worldwide to key scientists and
science or policy administrators, whether employed by government, universities,
nongovernmental organizations, or the private sector.

There is a panoply of environmental issues and concerns on which many
scientists have focused their research in past years. The scope of this list is quite
broad, encompassing environmental events globally that affect marine and terres-
trial ecosystems; biotic and abiotic environments; impacts on plants, humans, and
wildlife; and pollutants, both chemical and radioactive; as well as the ravages
of environmental disease in virtually all environmental media (soil, water, air).
New or enhanced safety and environmental concerns have emerged in the last
decade to be added to incidents covered by the media, studied by scientists, and
addressed by governmental and private institutions. Among these are events so
striking that they are creating a paradigm shift. Two in particular are at the center
of ever increasing media as well as scientific attention: bioterrorism and global
warming. Unfortunately, these very worrisome issues are now superimposed on
the already extensive list of ongoing environmental challenges.

ix



The ultimate role of publishing scientific environmental research is to enhance
understanding of the environment in ways that allow the public to be better
informed or, in other words, to enable the public to have access to sufficient
information. Because the public gets most of its information on science and
technology from internet, TV news, and reports, the role for scientists as inter-
preters and brokers of scientific information to the public will grow rather than
diminish. Environmentalism is an important global political force, resulting in the
emergence of multinational consortia to control pollution and the evolution of the
environmental ethic. Will the new politics of the twenty-first century involve a
consortium of technologists and environmentalists, or a progressive confrontation?
These matters are of genuine concern to governmental agencies and legislative
bodies around the world.

For those who make the decisions about how our planet is managed, there is an
ongoing need for continual surveillance and intelligent controls to avoid endanger-
ing the environment, public health, and wildlife. Ensuring safety-in-use of the many
chemicals involved in our highly industrialized culture is a dynamic challenge,
because the old, established materials are continually being displaced by newly
developed molecules more acceptable to federal and state regulatory agencies,
public health officials, and environmentalists. New legislation that will deal in an
appropriate manner with this challenge is currently in the making or has been
implemented recently, such as the REACH legislation in Europe. These regulations
demand scientifically sound and documented dossiers on new chemicals.

Reviews publishes synoptic articles designed to treat the presence, fate, and, if
possible, the safety of xenobiotics in any segment of the environment. These
reviews can be either general or specific, but properly lie in the domains
of analytical chemistry and its methodology, biochemistry, human and animal
medicine, legislation, pharmacology, physiology, (eco)toxicology, and regulation.
Certain affairs in food technology concerned specifically with pesticide and other
food-additive problems may also be appropriate.

Because manuscripts are published in the order in which they are received in
final form, it may seem that some important aspects have been neglected at times.
However, these apparent omissions are recognized, and pertinent manuscripts are
likely in preparation or planned. The field is so very large and the interests in it are
so varied that the editor and the editorial board earnestly solicit authors and
suggestions of underrepresented topics to make this international book series yet
more useful and worthwhile.

Justification for the preparation of any review for this book series is that it deals
with some aspect of the many real problems arising from the presence of anthro-
pogenic chemicals in our surroundings. Thus, manuscripts may encompass case
studies from any country. Additionally, chemical contamination in any manner of
air, water, soil, or plant or animal life is within these objectives and their scope.

Manuscripts are often contributed by invitation. However, nominations for new
topics or topics in areas that are rapidly advancing are welcome. Preliminary
communication with the Editor-in-Chief is recommended before volunteered
review manuscripts are submitted. Reviews is registered in WebofScience™.
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Inclusion in the Science Citation Index serves to encourage scientists in academia
to contribute to the series. The impact factor in recent years has increased from 2.5
in 2009 to 7.0 in 2017. The Editor-in-Chief and the Editorial Board strive for a
further increase of the journal impact factor by actively inviting authors to submit
manuscripts.

Amsterdam, The Netherlands Pim de Voogt
February 2020
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Abbreviations

ATR Attenuated total reflectance
ECHA European Chemicals Agency
EEA European Environment Agency
ERA Ecological risk assessment
EVA Ethylene-vinyl acetate
FTIR Fourier transform infrared
MaP Macroplastic
MP Microplastic
NP Nanoplastic
PA Polyamide
PAH Polycyclic aromatic hydrocarbons
PC Polycarbonate
PCB Polychlorinated biphenyl
PE Polyethylene
PEC Predicted environmental concentration
PES Polyester
PET Polyethylene terephthalate
PMMA Polymethyl methacrylate
PNEC Predicted no effect concentration
PP Polypropylene
PS Polystyrene
PUR Polyurethane
PVC Polyvinylchloride
Pyr-GC/MS Pyrolysis-gas chromatography/mass spectrometry
SAPEA Science Advice for Policy by European Academies
SEM Scanning electron microscopy
WWTP Wastewater treatment plant
XRF X-ray fluorescence

1 Introduction

Over the past century, plastic has made the journey from being virtually non-existent
to a ubiquitous and integral part of modern life. While plastic has numerous
advantages compared to alternative materials, we are facing severe environmental,
economic and ethical issues due to the vast plastic waste production and rapid
disposal. Up until 2015, the total amount of plastic produced was 8300 million
tons, 6300 million tons of which were discarded as waste (Geyer et al. 2017). Much
of this waste (79%) is accumulated in landfills or the natural environment, and this
amount is expected to increase significantly in the future (up to 12,000 million tons
by 2050) if management actions are not immediately taken (Geyer et al. 2017).
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Most macroplastics (MaPs) break down due to mechanical and chemical frag-
mentation into smaller pieces, which are commonly termed microplastics (particles
<5 mm; MPs) or nanoplastics (particles <1 μm; NPs) (Gigault et al. 2018). The
breakdown process may take between 50 and 600 years and usually depends on
several factors such as the polymer composition and the environmental condition.
MPs that are formed due to the breakdown of MaP are commonly referred to as
secondary MPs, while MPs intentionally produced in this size range are referred to
as primary MPs. Nowadays, MaPs, MPs and NPs can be found floating or in
suspension in many water bodies, accumulated in sediments or in terrestrial ecosys-
tems, and even can be transported and deposited in pristine environments due to
wind and currents (Dris et al. 2015, 2016; Ballent et al. 2016; Fischer et al. 2016;
Hurley and Nizzetto 2018).

The widespread distribution of plastic and its variability in size and shape allow
the ingestion by organisms across many trophic levels and habitats (Wright et al.
2013; Kühn et al. 2015). Large plastic debris (MaPs) can cause adverse effects on
coastal and marine animals (marine mammals, fish and seabirds) due to ingestion as
well as to entanglement which impedes their mobility (Van Franeker et al. 2011;
Knowlton et al. 2012; Schuyler et al. 2012; Kühn et al. 2015). Fishing gear, balloons,
plastic bags and bottle caps have been identified to be the most harmful type of MaPs
to marine organisms (Hardesty et al. 2015). Although most research has focused on
the marine environment, freshwater and terrestrial organisms are expected to suffer
from the same sort of effects. For example, cattle have been reported to suffocate and
die due to the ingestion of plastic bags, which can block airways and stomachs
(Ramaswamy and Sharma 2011).

Similar to MaPs, environmental exposure to MPs has raised concerns about their
potentially adverse effects in smaller organisms. Ecotoxicological studies with MPs
have been primarily conducted using marine organisms (77%), while freshwater
organisms have been less researched (23%) (de Sá et al. 2018), and research
involving terrestrial organisms is still in its beginnings (Chae and An 2018). MPs
may cause physical effects such as internal and external abrasion or blockages of the
digestive tract in small invertebrates and fish (Wright et al. 2013; Karami et al. 2016;
Jovanović 2017). Research also shows that MPs ingested by freshwater organisms,
either on purpose when they are confounded with preys or accidentally due to
non-selective feeding strategies (i.e. water filtration or deposit feeding) (de Sá
et al. 2018; Windsor et al. 2019), may reduce their feeding efficiency and lower
the energy uptake, which often results in reduced growth, reproduction and survival
(Foley et al. 2018). In addition, MPs may affect the growth, chlorophyll content,
photosynthesis activity and reactive oxygen species of microalgae at high, currently
not realistic, concentrations (Prata et al. 2019).

Although several cases evidence deleterious impacts of MaPs on aquatic and
terrestrial organisms under laboratory conditions, the capacity of MPs or even NPs to
pose a real threat for ecosystems and human health is disputable. This is because
the majority of studies showing some impacts of MPs on terrestrial or freshwater
organisms have been performed with very high exposure concentrations, while risk
at environmentally relevant concentrations has yet to be disclosed (Lenz et al. 2016).
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Despite physical effects, the release of additives such as phthalates, chlorinated
paraffins and bisphenols present in some MaPs and MPs (Stenmarck et al. 2017) has
been reported to induce endocrine-disrupting effects (Rochman et al. 2014). Fur-
thermore, hydrophobic pollutants (e.g. some pesticides, PCBs, PAHs) can be
adsorbed to plastics and may be released into the body of the organisms after
ingestion, leading to the so-called Trojan Horse effect (Teuten et al. 2009; Koelmans
et al. 2016; Crawford and Quinn 2017; Bouhroum et al. 2019). In contrast, it has
been suggested that ingested clean MPs may reduce the concentration of
bioaccumulated chemicals in the body of contaminated organisms (Lohmann
2017). Furthermore, MPs could not only act as carriers for chemicals but can also
transport bacteria or pathogens attached to them (Keswani et al. 2016; Kirstein et al.
2016) across different environmental compartments and regions. In order to provide
some responses to the concern produced by the perception of the potential risks for
human health and the environment of MPs and of chemicals associated to them,
Koelmans et al. (2017a) proposed adverse outcome pathways for assessing and
comparing the risk of MaPs, MPs and NPs and highlighted the uncertainties that
still exist in both, exposure and effect assessment.

The continuous emission patterns and the breakdown of plastic litter into smaller
fractions in the environment may contribute to future concentrations that are orders
of magnitude higher than the ones currently monitored (Everaert et al. 2018), thus
contributing to a yet uncertain risk scenario. Policies dedicated to control emissions
and manage risks of MaPs, MPs and NPs in the environment require a proper
understanding of the main emission routes, the current exposure levels and the fluxes
among environmental compartments. The available literature describing the expo-
sure and impacts of plastics in the environment, providing a comparative assessment
of the global occurrence, transport and fate, has so far mainly focused on the marine
environment (see, e.g. GESAMP 2015; Auta et al. 2017). Although the freshwater
environment is considered in some recent reviews (see, e.g. SAPEA 2018; Eerkes-
Medrano et al. 2015), most studies consider specific emission routes and local
monitoring campaigns.

Therefore, this study aimed to assess the state of the knowledge regarding the
overall sources of plastic and its occurrence, fate, fluxes and loads into and within
different environmental compartments of terrestrial and freshwater ecosystems. This
study identifies data gaps that need to be addressed in order to understand the life
cycle of the different plastic types in the environment, particularly in the soil-water
interface, and provides relevant information to support research into the accumula-
tion and ecotoxicological characterization of plastics to living organisms. Ulti-
mately, this study provides guidance information to derive effective management
measures aimed at reducing plastic discharges into the environment and attaining a
more sustainable use and consumption of plastics in the nearby future.
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2 Environmental Sources of Plastics

Nowadays, Asia is producing 50% of the world’s plastic, followed by Europe and
North America, producing 19% and 18%, respectively (PlasticsEurope 2018). The
majority of plastics can be classified into the two main categories: thermoplastics
(pellets that are remelted to manufacture the final product) and thermoset plastics
(thermally produced into the commercial shape). Thermoplastics constitute 80% of
the total plastic and are the main source of primary MPs. Thermoplastics are mainly
formed by polyethylene (PE), polypropylene (PP) or polyvinylchloride (PVC), while
thermoset plastics are formed, among others, by polyester (PES), polyurethane
(PUR), silicone and polyamide (PA).

Sources of plastics can be classified in terms of the life expectancy of the
produced plastics before disposal. Here we classify plastic sources into those with
a short-term (single-use or very limited number of times with a useful lifespan up to
1 year), mid-term (up to 10 years), or long-term (more than 10 years) use expectancy.

2.1 Plastics with Short-Term Use Expectancy

Single-use items are mainly formed by packaging material, which is the biggest
plastic sector worldwide (almost 36% in 2015; Fig. 1) and accounts for almost 50%
of the generated plastic waste (Geyer et al. 2017). The vast majority of packaging
plastics are PE, PP and polyethylene terephthalate (PET) (Geyer et al. 2017). Except
for refillable PET bottles used in some countries, packaging is single-use with a
lifespan of less than 6 months. Most foods are wrapped in plastic, and single-use
plastic bags have been widely used all over the world due to their convenience,
availability and low price. Plastic bags are known to cause severe environmental
problems, especially in countries without proper waste management (Adane and
Muleta 2009). Thus, many countries have put bans or levies in force to reduce their
use or to encourage voluntary reductions (Xanthos and Walker 2017). Many African
countries, for instance, have banned single-use plastic bags, while the EU Directive
2015/720 encourages member states to reduce the number of ‘lightweight’ carrier
bags by 2025. Those bans and restrictions have already reduced the plastic bag use
drastically in some countries (e.g. Ireland, England, Italy). Moreover, other single-
use items like cutlery, plates, cups and straws are planned to be banned in Europe by
2021 (EC 2019).

Another important sector using single-use plastic is agriculture. Plastic films are
used for plastic mulching, for the construction of greenhouses and tunnels, or to
wrap silage to store animal fodder. The global plastic consumption in agricultural
production is estimated to be about 2.5 million tons per year (Hussain and Hanid
2003). A variety of different plastic types are used in agriculture, including PE, PP,
ethylene-vinyl acetate copolymer (EVA), PVC and polymethyl methacrylate
(PMMA) (Scarascia-Mugnozza et al. 2012).
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MPs added to consumer products (e.g. as a component of personal care, cosmetic
and cleaning products) are specially manufactured to be used once and then washed
down the drain. They are often referred to as microbeads, even though they are
mostly irregular in shape in order to obtain an abrasive effect (Fendall and Sewell
2009; Napper et al. 2015; Kalčíková et al. 2017). The majority of microbeads in
facial and body scrubs are made of PE, with average concentrations of 4.82 g/
100 mL body scrub and 0.74 g/100 mL facial scrub (Kalčíková et al. 2017; Gouin
et al. 2015). Other plastic polymers used in cosmetic products include polylactic
acid, PET, polyethylene isoterephthalate, nylon-12, nylon-6, PMMA,
polytetrafluoroethylene and PUR (Leslie 2014; Rochman et al. 2015). Additionally,
microbeads are used in industry as abrasives/scrubbers and sand-blasting media as
well as in antislip, anti-blocking applications and for medical applications. It has
been calculated that more than 4000 tons of PE microbeads were used in cosmetic
products all over the EU (including Norway and Switzerland) in 2012 (Gouin et al.

Fig. 1 Production and pathways of plastics into the different environmental compartments.
Thickness of the different arrows is related to the quantitative relevance of the different mass
flows. The relevance of the different plastic sources mass flows is based on Geyer et al. (2017),
while the relevance of the technical compartments environmental flows is based on the reviewed
literature or assumptions. Dashed lines indicate yet completely unexplored pathways with unknown
relevance
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2015), and the USA is emitting 263 tons of PE microbeads per year (2.4 mg per
person per day; Gouin et al. 2011). A ban of microplastics intentionally added to
products (i.e. microbeads) has been proposed in the EU (EC 2019), while the US
Microbead-Free Waters Act of 2015 (US Congress 2015) prohibits the manufactur-
ing, packaging and distribution of rinse-off cosmetics containing plastic microbeads
already. This only applies to rinse-off products, while MPs are still permitted as a
component in ‘leave-on’ products (e.g. lotions, sunscreens, make-ups and
deodorants).

2.2 Plastics with Mid-Term Use Expectancy

Plastics with a mid-term lifespan are mainly found in the sectors of electronics,
household, tyres and textiles. The production of electrical and electronic products
counts to the fastest growing manufacturing and waste generation sectors (Geyer
et al. 2017; Kumar et al. 2017), and as many textiles are made, entirely or to a certain
extent, of synthetic plastic fibres (e.g. PA, PES, acrylic), also production rates of
synthetic plastic fibres have increased over the last decade. Nowadays, two-thirds of
the total fibre production is synthetic plastic fibres, and worldwide 59 tons of plastic
textiles were produced in 2015 (Geyer et al. 2017; Gasperi et al. 2018).

Synthetic polymers with rubber-like characteristics are the principal component
of vehicle tyres. They are composed of a mixture of natural and synthetic rubbers
(styrene-butadiene rubber). While driving, tyre and road wear particles are formed
which contain styrene-butadiene rubber in a mix with natural rubber, pavement parts
and many other additives (Unice et al. 2013; Sundt et al. 2014). While tyres contain
almost 50% of polymers, tyre wear particles, which are a mix of pavement part and
polymers, contain only 16–23% of polymers (Kreider et al. 2010).

2.3 Plastics with Long-Term Use Expectancy

Plastics designed for long-term use belong to the following categories: parts of
transportation (i.e. vehicle, plane and train parts), building and construction, indus-
trial machinery, consumer products and institutional products. While plastics for the
building and construction sector account for the second highest plastic consumption,
only a small portion enters the waste stream directly (Fig. 1; Geyer et al. 2017). As
these categories do not belong to the items that are usually littered, they are not
expected to contribute significantly to the plastic load in the environment. However,
their breakdown rate into MPs and NPs (due to exposure to light and weathering),
also during their useful lifetime, is not clear.
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3 Pathways of Plastic to the Environment

Hereafter plastic waste will refer to all plastic material that is discarded, while litter
will include only those items that are not properly discarded. Packaging material is
accounting for almost 50% of the generated plastic waste, followed by textiles
(almost 14%; Geyer et al. 2017). Most plastic waste is generated in Asia, while
America, Japan and the European Union are the world’s largest producers of plastic
packaging waste per capita.

3.1 Collected Solid Waste

Collected plastic waste is either landfilled, incinerated or recycled. In Europe, 27.3%
is landfilled, 31.1% is recycled, and 41.6% is incinerated for energy recovery
(PlasticsEurope 2018). The percentage of collected plastic waste varies strongly
between different countries, depending on the applied waste management plans and
policies. While, worldwide, the plastic recycling rate is still low, it has increased by
almost 79% within the last 10 years in the EU, including Norway and Switzerland
(PlasticsEurope 2018).

Large-scale industrial plastic production began in the 1950s, but plastic recycling
was not established until the 1980s. It is estimated that only 9% of the total produced
plastic waste up to 2015 has been recycled (Geyer et al. 2017). From this again only
a small portion is submitted to primary recycling in which the recycled plastic is used
to replace all or a least a proportion of the virgin polymer resins (Hopewell et al.
2009). While high-income countries have sorting and processing facilities, in
low-income countries, plastic recycling is not well established. Moreover, certain
types of plastic are difficult to recycle. For example, thermoset plastics, including
textiles, are usually not recycled.

Plastic that is not recycled but still collected is landfilled or incinerated. In eight
EU countries, Norway and Switzerland, a landfill ban for plastic is in force, leading
to a very small percentage of plastic being used for landfill applications
(PlasticsEurope 2018). On average, 27.3% of the generated plastic waste is landfilled
in Europe. In contrast, in low-income countries, waste is mainly stored in open, poorly
managed dumps, from where plastic can be transported by wind force. In middle-
income countries, some controlled landfills are in place, but open dumping is still
common practice. The advantages of combustion of plastic waste are that it can be
used for energy recovery and the incinerated plastic cannot enter the environment
anymore. At the same time, incineration results in the generation of air pollutants
(Verma et al. 2016).
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3.2 Wastewater

Both MPs, as well as MaP, enter wastewater either directly if products containing
plastic are flushed down the drain (e.g. fibres detached during laundry of textiles,
microbeads in consumer products, cotton buds or sanitary products) or in combined
sewer systems from street dust and litter. MaPs escape wastewater treatment only on
rare occasions and mainly enter the environment with untreated wastewater due to
combined sewer overflows, e.g. after heavy rainfall events or snowmelts (Williams
and Simmons 1999), or if untreated wastewater enters the environment because
wastewater treatment plants (WWTPs) are not in place. Although high-income
countries treat on average 70% of the wastewater, yet globally only 20% of the
generated wastewater is treated (Sato et al. 2013). For MPs, the situation is different;
due to their small size, they can escape the treatment and are also released with
treated effluents (Ziajahromi et al. 2016). This pathway for MPs has been increas-
ingly investigated. To date, 24 studies have measured MPs in wastewater (Table S1),
from which three have not exclusively assessed MPs but included other litter items in
the micro range (microlitter; HELCOM 2014; Michielssen et al. 2016; Talvitie et al.
2017b). Such studies were mainly carried out in northern and western Europe
(14 studies), followed by North America (5 studies).

The number of MPs in raw wastewater varies greatly between WWTPs, from a
few MPs/L to exceptional maximum values of more than 10,000 MP/L (Fig. 2). The
data shown in Fig. 2 are described in more detail in Table S1 where the removal rate,
identification method, particle shape and polymer composition are reported. Espe-
cially high concentrations have been observed in raw wastewaters in Denmark
(Vollertsen and Hansen 2017; Simon et al. 2018). The Danish studies assessed
MPs in the smaller size range (i.e. between 10 or 20 and 500 μm), while other
studies assessing MPs down to 20 μm found much lower MP concentrations
(Talvitie et al. 2015; Leslie et al. 2017).

WWTPs have, in general, a large retention potential for MPs, often higher than
95% (Table S1). However, in treated wastewater the number of MPs varies greatly
too, from less than 1 MP/L (Browne et al. 2011; Carr et al. 2016; Murphy et al. 2016;
Ziajahromi et al. 2017a) to several hundred (Simon et al. 2018) and up to several
thousand MP/L (Vollertsen and Hansen 2017; Fig. 2). Larger MPs are usually better
retained during the treatment, so the most frequently observed MPs in treated
wastewater are smaller than 300 μm (Dris et al. 2015; Mintenig et al. 2017;
Gündoğdu et al. 2018; Magni et al. 2019; Talvitie et al. 2017a; Lee and Kim
2018; Wolff et al. 2019; Liu et al. 2019b). For example, Magni et al. (2019) found
that 94% of the MPs between 5 and 1 mm were retained by an Italian WWTP, while
only 65% of the MPs between 0.1 and 0.01 mm were retained (Magni et al. 2019).
Moreover, the number of MPs seems to be increasing with decreasing particle size.
Wolff et al. (2019) reported the results of small-sized MPs measured in treated
wastewater and indicated that 44% of the measured MPs are between 10 and 30 μm,
while 51% are between 30 and 100 μm. Furthermore, current research indicates that
the amount of MPs retained byWWTPs is not only influenced by the size but also by
the particle shape. Usually, fibres are better retained in WWTPs as compared to
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microbeads or other irregular particles (Magnusson and Norén 2014; Talvitie et al.
2017b; Gündoğdu et al. 2018). Fibres and fragments are the most frequently
occurring MP types in WWTP effluents (Table S1). Regarding polymer composi-
tion, PE particles or PES fibres are the most common plastic types (Table S1).
Although a huge amount of tyre debris is suspected to enter WWTPs (Kole et al.
2017), they have not been frequently reported in treated effluents (Table S1). Only
Dyachenko et al. (2017) and Lee and Kim (2018) have reported the presence of black
particles possibly being tyre fragments.

Concentrations of MPs in wastewaters show some seasonal and diurnal variations
related to water consumption rates and human activity (Mintenig et al. 2017; Talvitie
et al. 2017b; Lares et al. 2018). For instance, Talvitie et al. (2017b) reported that
night time concentrations were slightly lower (average concentrations 476.7 and
0.8 μL/L in influent and effluent, respectively) compared to daytime concentrations

Fig. 2 Mean and/or minimum-maximum MP concentrations (MPs/L) in influent and effluent of
municipal WWTPs with different treatment types. NR ¼ not reported. N America ¼ North Amer-
ica. Notes: aAll anthropogenic litter in the micro range and not only MPs considered. bRange of
mean concentrations between seven different WWTPs. cUpper size limit of 500 μm. dPilot-scale
anaerobic membrane bioreactor. References: [1] Gündoğdu et al. (2018), [2] Lee and Kim (2018),
[3] Liu et al. (2019b), [4] Browne et al. (2011), [5] Ziajahromi et al. (2017), [6] Dris et al. (2015),
[7] HELCOM (2014), [8] Lares et al. (2018), [9] Leslie et al. (2017), [10] Magni et al. (2019),
[11] Mintening et al. (2017), [12] Murphy et al. (2016), [13] Simon et al. (2018), [14] Talvitie et al.
(2015), [15] Talvitie et al. (2017a), [16]Talvitie et al. (2017b), [17]Wolff et al. (2019), [18]Vollertsen
and Hansen (2017), [19] Magnusson and Noren (2014), [20] Mason et al. (2016), [21] Dyachenko
et al. (2017), [22] Carr et al. (2016), [23] Michielssen et al. (2016), [24] Gies et al. (2018)
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(584 and 1.7 μL/L in influent and effluent, respectively). Therefore, MP occurrence
seems to be highly variable and depending on a variety of different environmental
(weather, season) and behavioural variables but also methodological procedures
(i.e. sampling method, including mesh sizes and sample volume), extraction method
and determination method. Despite the high retention of MPs by WWTPs, consid-
ering the large volumes treated daily, it is considered that more than one million
particles can enter the aquatic environment via this pathway per WWTP (Ziajahromi
et al. 2017a; Gündoğdu et al. 2018), which constitutes one of the main sources of
MPs into the environment.

3.3 Sludge and Other Agricultural Amendments

WWTPs retain the majority of MPs during pre- and primary treatment (mechanical
treatment and sludge settling processes) and MPs are therefore concentrated in the
grease or sludge phase (Murphy et al. 2016; Leslie et al. 2017; Talvitie et al. 2017b).
While solids intercepted by grids and grease removal steps are disposed of in
landfills, sludge is often reused as fertilizers in agriculture. The amount trapped in
the sludge roughly constitutes 50–90% of the MPs present in raw wastewater
(Table S2; Magnusson and Norén 2014; Carr et al. 2016; Lee and Kim 2018). MP
concentrations measured in sludge range from 650 MPs/kg dw to more than
240,300 MPs/kg dw (Fig. S1, Table S2). Murphy et al. (2016) found significant
bigger-sized MPs in the sludge phase compared to MPs in treated wastewater,
confirming the differential retention potential of WWTPs regarding MP size. Fur-
thermore, the sludge treatment process (thickening, digestion, drying, stabilization,
dewatering) may affect the MP size (Mahon et al. 2017). Similar to wastewater,
sludge samples usually show high numbers of fibres, followed by fragments
(Table S2), and the main detected polymer is usually PES (particularly when there
are many fibres present), followed by PE and PP.

Plastics can end up in compost used as agricultural amendment due to wrong
recycling or separation of waste, e.g. if plastic food packaging is disposed of in the
organic waste (Mercier et al. 2017; Weithmann et al. 2018). Weithmann et al. (2018)
reported that organic fertilizers may contain up to 895 MPs/kg, and Fuller and
Gautam (2016) found on average 23,000 mg MP/kg in composted waste materials.

4 Occurrence and Fluxes of Plastics in Environmental
Compartments

It is reasonable to hypothesize that in different countries, relevant differences in the
emissions of plastic waste and the presence of MaPs and MPs in environmental
compartments exist. This may, in particular, originate from differences in waste
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management between high-income and low-income countries. In the following
sections, some comparisons at the continental level are made. However, as the
availability of information is not adequately balanced among countries and conti-
nents (e.g. data from Africa and South America are very scarce), the comparison is
only partial.

4.1 Air

Studies assessing the occurrence of airborne plastic particles have identified mainly
fibres (Dris et al. 2015; Abbasi et al. 2019). Atmospheric fallout of fibres in the area
of Paris (France) showed a high variability, with values ranging between 2 and
355 fibres/m2/day; however, half of those were natural (50%; cotton or wool), and
only 17% were purely synthetic (mainly PET; Dris et al. 2016). Based on these
samples, the same authors estimated that the fibre deposition rate in highly populated
urban environments can roughly range between 1.2 and 4 kg/km2/year and con-
cluded that atmospheric fallout might constitute a relevant pathway of MPs.
The limited data on atmospheric MPs deposition rates makes it difficult to draw
conclusions on the relevance of this pathway for the environmental distribution of
MPs. In the study by Dris et al. (2016), suburban fallout was found to be only about
50% of that observed in urban areas (53 particles/m2/day compared to 110 particles/
m2/day), and thus it may be assumed that fibre fallout is even lower in natural and
agricultural environments.

In addition to fibres, MPs in street dust are also likely to become airborne
(Dall’Osto et al. 2014; Gasperi et al. 2018). According to Kole et al. (2017), 12%
of the generated tyre dust (1040 tons/year) in the Netherlands ends up in the air. The
particles are generated by the interaction of tyres with the road while driving and are
generally found along roadside areas (Kreider et al. 2010). Wind and rainfall might
influence the atmospheric transport and fallout of MPs, while deposited fibres and
street dust in urban environments may be transported via water runoff into sewer
systems or directly to terrestrial or aquatic ecosystems. However, studies properly
describing such processes are lacking.

4.2 Soil

It has been suggested that agricultural soils could constitute larger MP sinks than
marine ecosystems (Hurley and Nizzetto 2018). However, research on the quantifi-
cation of plastics in soils (for both MaPs and MPs) is still very limited and mostly
contracted to the last 4 years. We identified 12 studies reporting plastics in soil, from
which 3 considered only a limited number of plastic types (Table S3). The available
studies provide first indications of the scale of the pollution and suggest the ubiqui-
tous presence of MPs in terrestrial ecosystems, also beyond agricultural areas. Most
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studies report plastic quantities in terms of particles, while some others provide
concentrations based on mass measurements, which hampers to some extent direct
comparisons among them. The highest MP concentration based on mass has been
measured in soils from an industrial area in Australia, which was historically used to
produce chlorinated plastic, containing 6700 mg MP/kg dw (Fuller and Gautam
2016). The highest concentration based on the number of MP particles was provided
by Vollertsen and Hansen (2017), who described Danish agricultural soils
containing about 145,000 MPs/kg, in the size range of 20–500 μm which was
based on weight however only 12 mg/kg. Also Chinese farmland soils were found
to contain a high MP content, ranging between 70 and 18,760 MPs/kg dw (Fig. S2;
Liu et al. 2018; Zhang and Liu 2018; Zhang et al. 2018). In contrast, farmlands in
Germany showed a much lower MP occurrence (0.34 MPs/kg dw; Piehl et al. 2018).
This might be partly related to differences in the considered MP sizes during the
study and due to differences in agricultural practices. While Piehl et al. (2018)
assessed MPs of a size between 1 and 5 mm, the study by Vollertsen and Hansen
(2017) considered MPs between 20 and 500 μm. However, the different ranges in
concentrations may also be attributed to the presence of different input sources.

The application of sewage sludge as agricultural fertilizer (biosolids) is
considered to be a major source of MPs to soils. Nizzetto et al. (2016) estimated
that between 63,000–430,000 and 44,000–300,000 tons of MPs could be yearly
added to agricultural land in Europe and North America, respectively. Corradini
et al. (2019) found that an increasing number of sludge applications were positively
correlated to increasing MP concentrations in soils. Zubris and Richards (2005)
report up to 1210 fibres/kg in soils 5 years after sewage sludge application and
detected fibres still 15 years after application, which is another indication for MPs
accumulation in soil due to sludge application. On the other hand, almost twice the
concentration of MPs was found in Danish fields not treated with sludge compared to
treated fields (Vollertsen and Hansen 2017). Additional studies investigating the
presence of MPs in soil after application of wastewater sludge are fundamental to
estimate the importance of this pathway better.

Irrigation with reclaimed wastewater and the usage of plastic material in agricul-
ture constitute additional sources of plastics in soil ecosystems. Based on studies
from China, the latter one seems to be one of the most important plastic sources for
elevated MP concentrations in soil in addition to sewage sludge application (Zhang
and Liu 2018; Zhang et al. 2018). In contrast to those concentration hotspots,
agricultural areas in Germany without plastic mulching or use of sewage sludge as
fertilizer, the MP concentration seems much lower (i.e. on average 0.34 MP/kg dw
soil; Piehl et al. 2018). As the frequency of the observed MaP polymer types was
reflected by the types of MPs, MP particles in this study most likely come from the
degradation of (littered) MaP (Piehl et al. 2018). The breakdown of MaP into MPs in
terrestrial ecosystems may be dependent on their whereabouts in the soil and on soil
cultivation. Williams and Simmons (1996) assessed low-density PE degradation
over a period of 4 months in different environments (river beach, in trees at the
river bench and buried by soil). They found that MaPs on the soil surface degrade
faster as compared to buried plastics and assumed light to be the main influencing
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driver (although rainfall and other weathering processes may have affected
degradation).

Littering, drift from landfills or spills from industry can also become important
sources of plastics into soils. As described above, deposition of MPs from the air can
additionally add MPs to soils. This seems, however, more relevant close to urban
areas and streets with heavy traffic. Finally, during flood events, plastics from the
aquatic environment can be deposited on the shores of rivers (Scheurer and Bigalke
2018). Therefore, based on the data that is available up to now, the primary inputs of
MPs into soil seem to come from agricultural practices (sewage sludge, plastic
mulching) and the fragmentation of plastic litter.

The most common polymer types reported in soils are PE and PP (Table S3).
MaPs reported in terrestrial systems are PE films and bottles (Ramos et al. 2015;
Huerta Lwanga et al. 2017b; Piehl et al. 2018). In a more remote place (desert in
southern Arizona), plastics that are more mobile due to transportation by wind like
plastic bags and balloons have been reported (Zylstra 2013).

The fate of MPs within the soil is not completely clear yet. MPs in soils may be
transported along with water runoff and soil erosion into adjacent streams and rivers.
So far, there is no knowledge of the importance of this pathway as it has not been
experimentally proven. Translocation into deeper soil layers can occur through soil
cultivation (Hurley and Nizzetto 2018) or transport by soil organisms. Earthworms
and collembolans have been shown to ingest and transport MPs from the soil surface
into deeper soil layers (Huerta Lwanga et al. 2017a; Maaß et al. 2017; Rillig et al.
2017). Also other animals, e.g. birds or domestic animals, which have been shown to
take up MPs (Zhao et al. 2016; Huerta Lwanga et al. 2017b), can transport MPs over
longer distances. To date, it is yet unclear whether low-sized MPs can be transported
through soil pores into groundwater, but low concentrations of MPs (0–7 MPs/m3)
have been reported in raw drinking waters from groundwater wells (Mintenig et al.
2019). Uptake of plastics by plants is another potential source of mobilization of
plastics from soil ecosystems, particularly for NPs; however no studies have inves-
tigated this using whole plants (Ng et al. 2018). The only study available in this
respect is the one provided by Bandmann et al. (2012), who demonstrated uptake of
20 and 40 nm PS beads by tobacco BY-2 cells in cell culture via endocytosis, while
100 nm beads were excluded.

4.3 Freshwaters

Plastic pollution along rivers has been already observed and assessed in the 1990s
(Williams and Simmons 1996, 1999). Nevertheless, few studies have reported
plastic pollution in freshwaters until the whole environmental movement was initi-
ated a few years ago. Some studies assessing litter in rivers have not exclusively
focused on plastic but also included other litter items like glass, paper and wood.
Those studies show that about 80% of the litter items are plastics, but do not provide
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concentrations or mass estimates (Crosti et al. 2018; González-Fernández et al.
2018; Castro-Jiménez et al. 2019).

Studies focusing on providing concentrations of MaPs in the environment are
very limited (Table S4). MaPs concentrations have been reported, for example, for
the Los Angeles River, in California (819 MaPs/m3; Moore et al. 2011), the Yangtze
River in China (8.74 � 103 MaPs/km2; Xiong et al. 2019) and lakes (1800 MaPs/
km2) and rivers (0.012 MaPs/m3) in Switzerland (Faure et al. 2015). It has been
estimated that in the Seine River in France, 28,000 kg of floating plastic are trapped
annually by floating debris retention booms (Gasperi et al. 2014), and floating MaPs
in the Saigon River in Vietnam were estimated to range between 7500 and 13,700
tons per year (van Emmerik et al. 2018). As only buoyant plastics were considered in
those studies, the total loads may be underestimated as plastic is also transported by
sub-surface transport (Morritt et al. 2014). The most common MaPs reported in
freshwater environments are plastic bottles, food packaging items, plastic bags and
sewage-related plastic, like handles from buds of cotton wool and sanitary towels
(Table S4). Regarding polymer composition, PP and PE are the plastic types that
were omnipresent, and to a lesser extent, PS and PET have been reported (Table S4).

MPs in water have been assessed using different sampling methods and are
reported in different units (i.e. particles per water volume or particles per area)
(Fig. 3). To be able to compare the results of the different studies, we choose
38 studies which either reported the number of MPs per water volume or gave
sufficient information to transform the reported unit. Like in other environmental

Fig. 3 Overview of the most common sampling methods used for freshwater MPs sampling. N is
the number of studies that applied the respective sampling method. This does not correspond to the
number of studies listed in Table S5 because some studies used more than one sampling method. In
the last row of boxes, the minimum mesh size (μm) used in the different studies is reported
(in bracket the number of studies)
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compartments, the concentrations varied greatly among studies (Fig. 4). As for
Fig. 2, the data shown in Fig. 4 are described in more detail in Table S5 where,
besides the identification method, the particle shape, the polymer composition and
the sampling methods are reported. Moreover, two additional studies are listed in
Table S5, which are not included in the figure because they reported the MP
concentration in weight per water volume instead of number per water volume,
which hampers a direct comparison. Most studies in Europe found average concen-
trations of less than 1 to less than 100 MP/m3, while the highest average concentra-
tion of 100,000 MPs/m3 (with a maximum concentration of 187,000 MPs/m3) was
measured in the Amsterdam canals (Leslie et al. 2017). Furthermore, Liu et al.
(2019a) reported up to 22,849 MPs/m3 (average: 1409 MPs/m3) in storm water
ponds receiving urban runoff in Denmark. The highest peak concentration from all
studies was found in the Snake River in North America and was as high as
5,405,000 MPs/m3 (average: 91 MPs/m2) (Kapp and Yeatman 2018). The second
highest peak concentration was reported by Lahens et al. (2018) and corresponds to
519,223 MPs/m3 (minimum 17,210 MPs/m3) monitored in the Saigon River (Viet-
nam). Overall, reported concentrations of MPs appear to be higher in Asia, as
compared to Europe and North America (Fig. 4). However, most of the studies
carried out in Asia were performed in China and focused on assessing lower size
classes than those studied in Europe. The only two studies conducted in Europe that
considered a very small size (MPs below 20 μm) were the ones by Leslie et al. (2017)
and Liu et al. (2019a), who observed by far the highest concentrations. Current
research shows that smaller particles (<0.5 mm) are usually the most frequent ones
(e.g. Leslie et al. 2017; Yan et al. 2019). Therefore, the higher concentrations found
in Asia may be not exclusively related to higher pollution but also to the sampling
methods used. The results of this overview are comparable with those reported by Li
et al. (2018) on the occurrence of MPs in freshwater.

Studies assessing the concentration of MPs using different net sizes at the same
sampling sites found substantial differences in the number of particles intercepted by
plankton nets vs trawling nets (Dris et al. 2015; Xiong et al. 2019). Kapp and
Yeatman (2018) used different sampling methods to assess the occurrence of
particles larger than 100 μm and found that on average there were higher concen-
trations in grab samples (glass containers were filled with water from the surface) as
compared to net samples (Table S5). Also, other differences in study design, such as
sample volume, sample depth or sample location in the river, could influence the
measured MP concentration. For example, Vermaire et al. (2017) found higher
concentrations in grab samples close to the river shore, which were subsequently
filtered through a 100 μm net compared to open water samples taken using a 100 μm
manta trawl.

Although MPs have been found in remote locations and rural areas, there is
evidence that MP concentration increases with proximity to cities (Wang et al.
2017b; Di and Wang 2018; Tibbetts et al. 2018). A modelling study identified the
Yangtze River catchment as the catchment transporting the highest plastic loads into
the ocean (Schmidt et al. 2017). The four case studies looking atMP concentrations in
the Yangtze River found highly variable concentrations but were also among the
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Fig. 4 Mean and/or minimum-maximum MP concentrations (MPs/m3) in freshwater samples.
Downs ¼ downstream. Ups ¼ upstream. Notes: �Concentration in MPs/m3 was estimated by
dividing the reported concentration in particles per area by the height of the net used for sampling.
Notes: aMinimum concentration not specified. bOnly fibres assessed. cOnly fragments assessed.
dMean across all sample sites with minimum and maximum mean concentrations across sample
sites. References: [1] Free et al. (2014), [2] Di and Wang (2018), [3] Hu et al. (2018), [4] Lin et al.
(2018), [5] Luo et al. (2018), [6] Su et al. (2016), [7] Tan et al. (2019), [8] Wang et al. (2017a),
[9] Wang et al. (2018), [10] Xiong et al. (2019), [11] Yan et al. (2019), [12] Yuan et al. (2019),
[13] Zhang et al. (2015), [14] Zhang et al. (2019), [15] Kataoka et al. (2019), [16] Lahens et al.
(2018), [17] Dris et al. (2015), [18] Faure et al. (2015), [19] Faure et al. (2012), [20] Fischer et al.
(2016), [21] Sighicelli et al. (2018), [22] Lechner et al. (2014), [23] Leslie et al. (2017), [24] Liu
et al. (2019a), [25] Mani et al. (2016), [26] Rodrigues et al. (2018), [27] Barrows et al. (2018),
[28] Baldwin et al. (2016), [29] Estahbanati and Fahrenfeld (2016), [30] Eriksen et al. (2013),
[31] Kapp and Yeatman (2018), [32] McCormick et al. (2016), [33] McCormick et al. (2014),
[34] Miller et al. (2017), [35] Moore et al. (2011), [36] Hendrickson et al. (2018), [37] Anderson
et al. (2017), [38] Vermaire et al. (2017)
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highest observed (Zhang et al. 2015; Wang et al. 2017b; Di and Wang 2018; Xiong
et al. 2019). However, concentrations in the same order of magnitude were also
monitored in other rivers in China such as the Pearl River, which was also ranked
under the top ten catchments transporting plastic into the ocean (Schmidt et al. 2017).

Not only spatial hotspots but temporal hotspots based on weather condition may
exist in freshwater ecosystems. Storms and rainfall can increase plastic concentration
in waters from both lateral (land-based) and sewage effluent discharge points
(Fischer et al. 2016), and MPs that had been deposited on river beds can re-enter
the water phase after flood events (Hurley et al. 2018a).

Fragments and fibres formed by PE and PP are the most frequently observed
particles across all studies evaluating MP pollution in freshwater ecosystems,
whereas pellets or beads are only rarely reported as the main occurring plastic
types (Table S5). The latter are mainly found in studies along the rivers Rhine and
Danube, in the proximity to plastic processing plants, and are thus assumed to be
pre-production pellets (Lechner et al. 2014; Lechner and Ramler 2015; Mani et al.
2016). The prevalence of secondary MPs (fragments and fibres) suggests wastewater
and runoff as sources for plastic pollution in freshwater ecosystems (Table S5).
Several studies confirmed that by demonstrating that MP concentrations are higher
downstream of WWTP as compared to sampling sites in upstream areas (McCor-
mick et al. 2014; Estahbanati and Fahrenfeld 2016; Vermaire et al. 2017; Kay et al.
2018). For example, in the Ottawa River (Canada), 0.71 particles/m3 were found
upstream of WWTPs compared to 1.99 MPs/m3 downstream. In the Raritan River
and the North Shore Channel (USA), 24 MPs/m3 and 1.94 MPs/m3 were found
upstream the WWTP, and 71.7 particles and 17.93 MPs/m3 were detected down-
stream, respectively (McCormick et al. 2014; Estahbanati and Fahrenfeld 2016;
Vermaire et al. 2017). As mentioned above, the majority of MPs in wastewater are
smaller than 300 μm. Thus it may be presumed that larger MPs enter via different
pathway like surface runoff or stem from the breakdown of MaPs directly in the
aquatic environment. However, with untreated wastewater, for instance, during sew-
age overflows, large MPs and MaP can enter river ecosystems. For example, Morritt
et al. (2014) identified pollution hotspots in the vicinity of WWTPs that were mainly
constituted of sanitary products. MPs hotspots were also detected in areas with low
population density but high agricultural use, also pointing to agricultural runoff as an
important source (Kapp and Yeatman 2018). Finally, poor waste management likely
increases plastic input into aquatic ecosystems (Lahens et al. 2018), where they can
break down into smaller particles. Xiong et al. (2019), for example, found that the
abundance of MPs is positively related to the presence of MaPs.

4.4 Sediments

Similar to MaP in surface waters, also MaPs in sediments are only rarely assessed,
and the way MaP occurrence is reported is highly variable and difficult to compare
(Table S6). MaPs along river banks have been observed while assessing buoyant
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litter in general (Williams and Simmons 1999; Rech et al. 2014), and river beach
sediments in Switzerland contained on average 90 MaPs/m2 (Faure et al. 2015).
Across different lakeshores, MaPs concentrations have been shown to vary notably
(Imhof et al. 2013; Fischer et al. 2016). While high MaPs concentrations have been
observed at the south shore of Lake Garda (Italy; with an average concentration of
483 MaP/m2), the occurrence at the north shore was significantly lower
(i.e. 0–8.3 MaP/m2; Imhof et al. 2013). Food packaging is among the most fre-
quently observed MaPs, but also bottles, bags and ropes are described by several
studies. Regarding the polymer composition, PE and PP, as well as styrofoam (PS),
are reported (Table S6).

As for MaPs and the other compartments, the concentration of MPs in freshwater
sediments has not been reported in consistent units across all studies. Therefore, we
focused on studies that have reported the concentration in MPs/kg sediment. How-
ever, studies reporting MPs per sediment area, which gave sufficient information to
estimate the concentration in MPs/kg, were also included. Therefore, from the
34 studies that were found during the literature search (Table S7), 30 were chosen
for comparisons (Fig. 5). The data shown in Fig. 5 are described in more detail in
Table S7 where the type of analysis, particle shapes and polymer composition are
reported. The highest sediment concentration of 2071 MPs/kg dw has been found in
the urban canals of Amsterdam, where also the highest water concentrations were
observed (Leslie et al. 2017). This value is the average of six urban canals with high
variability in MP concentration, particularly fibres, where the presence of a hotspot is
evident. MP concentrations in river bed sediments seem, in general, higher than in
river beach and shore sediments (Fig. 5; Table S7). Most studies on MPs in river bed
sediments report concentrations between 100 MP/kg and a few thousands. Studies
from Asia were exclusively carried out in China and reported similar concentration
ranges as those described in Europe. Interestingly, the study on the Yangtze River
(China), which has been estimated to be the highest contributor of plastic to the sea
(Schmidt et al. 2017) and is among the highest MP concentrations reported in water
(Fig. 4, Table S5), had a comparably low sediment concentration 7–66 MP/kg. The
only study carried out in Africa (in a semi-arid South African basin) assessing the
concentration of MPs in river sediment reports notable differences between concen-
trations in summer (1–14.6 MP/kg dw) and winter (13.3–563.8 MP/kg dw), which
were related to a reduced flow condition in winter in the studied region (Nel et al.
2018). Subsequently, the hydrological variation shown by many rivers seems to be
one of the main factors contributing to MPs deposition and remobilization from river
beds. This was also demonstrated by Hurley et al. (2018a), who report that about
70% of the MPs in the sediments of the upper Mersey and Irwell catchments
(UK) were exported after a flooding event. Several studies show that, after trans-
portation with the river flows, MPs tend to (re)deposit in low-energy environments,
such as meanders, deltas, dams, harbours and coastal lagoons (Claessens et al. 2011;
Vianello et al. 2013; Shruti et al. 2019). The deposition of low-density polymers in
sediment environments is also related to a density increase by biofouling (e.g. Ye
and Andrady 1991; Andrady 2011; Zettler et al. 2013; McCormick et al. 2014).
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For lakes, mainly beach and shore sediment concentrations have been reported. In
Europe, average concentrations for beach and shore sediments ranged between 0.94
and 44 MP/kg, while beach and shore sediments from Lake Ontario (Canada)
contained much higher concentrations (20–27,830 MPs/kg; Fig. 5, Table S7). Sev-
eral studies have noted that plastic concentrations differ strongly between different
areas of the same lake (Zbyszewski and Corcoran 2011; Imhof et al. 2013;

Fig. 5 MP concentrations in different types of sediment samples (MPs/kg). Notes: The sediment
type for river sediment was categorized as bed sediment if the type was not clearly stated.
�Concentration in MPs/kg was estimated by using the sample depth and assuming a density of
1.6 g/cm3 for the sediment. aRange of mean concentrations across different sampling sites.
bMaximum value is shown; cno lower value reported. Af ¼ Africa. N America ¼ North America.
S¼ South America. References: [1] Nel et al. (2018), [2] Di and Wang (2018), [3] Hu et al. (2018),
[4] Lin et al. (2018), [5] Peng et al. (2018), [6] Su et al. (2016), [7] Wang et al. (2017a), [8] Wen
et al. (2018), [9] Xiong et al. (2019), [10] Yuan et al. (2019), [11] Zhang et al. (2016), [12] Zhang
et al. (2019), [13] Faure et al. (2015), [14] Horton et al. (2017), [15] Hurley et al. (2018a),
[16] Tibbetts et al. (2018), [17] Vaughan et al. (2017), [18] Klein et al. (2015), [19] Leslie et al.
(2017), [20] Imhof et al. (2013), [21] Imhof et al. (2016), [22] Imhof et al. (2018), [23] Fischer et al.
(2016), [24] Guerranti et al. (2017), [25] Rodrigues et al. (2018), [26] Ballent et al. (2016),
[27] Castañeda et al. (2014), [28] Vermaire et al. (2017), [29] Shruti et al. (2019), [30] Blettler
et al. (2017)
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Zbyszewski et al. 2014; Zhang et al. 2016), suggesting that accumulation is patchy
and the formation of contamination hotspots is influenced by winds, waves and/or
beach morphology (Imhof et al. 2016, 2018). Similar observations were made at
Lake Huron (Canada), in which 94% of all monitored pellets were found to accu-
mulate in one single beach (Zbyszewski and Corcoran 2011). In the Taihu Lake
(China), MP concentrations ranged from 11 to 235 MP/kg in different bed areas, and
the average MP abundance in sediments in the northwest area was approximately six
times higher than the abundance of the south-east area (Su et al. 2016).

Fibres followed by fragments were usually the most common particle types
monitored (Table S7). Spheres/beads or pellets were, in rare occasions, reported to
be dominant, and mostly in the vicinity to plastic industries (Zbyszewski and
Corcoran 2011; Zbyszewski et al. 2014; Corcoran et al. 2015; Hurley et al. 2018a;
Peng et al. 2018). Based on polymer type, PE and PP were the most common, despite
their buoyant properties, as well as PS (Table S7).

4.5 Marine

Rivers are estimated to be the main pathways for plastics entering the oceans.
Estimations on the amount of plastic waste entering the ocean through this pathway
range between 0.41 and 4 � 106 tons per year (Lebreton et al. 2017; Schmidt et al.
2017). From the top ten river catchments that transport 88–95% of the global plastic
load into the oceans, eight are located in Asia (Schmidt et al. 2017). Oceans have
been assumed to be the final sink for MaPs and MPs. As this review is focused on
terrestrial and freshwater ecosystems, this compartment will not be discussed in
detail. A number of articles and reviews have been published on the topic within the
last few years which describe plastic occurrence in the oceans and its effects on
marine life (see, e.g. Barboza and Gimenez 2015; Jambeck et al. 2015; Auta et al.
2017).

5 Discussion

We fully agree with the statement provided by the SAPEA (2018) report: ‘The
number of papers is growing exponentially in this field, but knowledge is not
growing at the same rate – there is some redundancy and marginality in the papers’.
Furthermore, many papers on plastic pollution do not assess and describe important
plastic sources and flows. This review paper made an attempt to describe the
available information regarding global environmental loads and the plastic life
cycle and to show which further research studies are needed to fully understand
specific plastic sources and pathways. This section describes the areas that need
further research commitment and development to improve exposure assessments and
to evaluate the long-term risks of plastics to terrestrial and freshwater ecosystems.
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5.1 The Need for Advancing and Standardizing Sampling
and Analysis Techniques

As indicated in several parts of this review, the sampling methods reported in the
literature are extremely variable and, in many cases, difficult to compare. In marine
monitoring studies, the most commonly used method for sampling is the so-called
manta trawl, a device similar to a large plankton net with a mesh size usually larger
than 300 μm (GESAMP 2015). Using a manta trawl allows to sample a thin layer of
surface water, and, therefore, the results are generally reported as MPs (number or
weight) per surface area (m2 or km2). The same device is frequently used also in
freshwater, together with other sampling methods (Fig. 3), that produce results
expressed as MPs per volume unit (e.g. L or m3) and that may consider different
size fractions, sometimes down to 20 μm. The results from studies considering the
different sampling methods are hardly comparable. Data for surface units may be
converted into data for unit volume, by calculating the mouth surface area of the
manta trawl. However, this is a rough approximation because the trawl is not always
fully immersed. Moreover, with the manta trawl, all particles below 300 μm are lost.
This is shown by studies using both sampling methods (Kapp and Yeatman 2018;
Lahens et al. 2018; Xiong et al. 2019). Small particles generally represent the largest
share of the total amount of particles present in natural waters. Therefore, the manta
trawl method largely underestimates the actual MP concentrations, at least in terms
of particle numbers.

A recent report (GESAMP 2019) describes and compares methods for sampling
MaPs and MPs, with particular focus on the marine environment. The report
highlights advantages and disadvantages of the different sampling methods. How-
ever, particularly for MPs, precise indications or suggestions of the methods to be
used for a better exposure and risk characterization are not provided. It should be
noted that the impact of different size fractions may be extremely different on the
various components of the aquatic ecosystem (e.g. small fishes, macro-invertebrates,
micro-invertebrates, bacteria). Therefore, methods capable to provide quantitative
samples of different fractions, including relatively small MPs (e.g. down to 20 μm,
achievable with fine-meshed phytoplankton nets), should be used whenever
possible.

The available data on soil and sediments is relatively scarce. This may be partly
related to the complex and time-consuming procedure required to extract MPs from
these matrices (Hurley et al. 2018b). Some studies report MP concentrations as the
number of particles per kg, while others provide the weight of MPs per kg. In other
cases, data is reported as MP number or weight per surface unit (e.g. mg/m2).
Therefore, the comparison of literature data is not straightforward.

Besides this, existing methods to identify and count MPs are quite variable. Until
recently, it was common practice to solely rely on visual detection (using a micro-
scope), which may lead to false positives or false negatives. In more recent studies,
visual examination is usually combined with FTIR (Fourier transform infrared) or
Raman spectroscopy, which allows polymer identification. This is, however, time-
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consuming, and thus frequently only a subsample is subjected to spectroscopic
methods. Other studies use different methods like SEM (scanning electron micros-
copy), XRF (X-ray fluorescence) and Pyr-GC/MS (pyrolysis interfaced with gas
chromatography/mass spectrometry) (Klein et al. 2017). It has been observed that
MP abundance often varies with the methods used (Song et al. 2015; Mai et al. 2018;
Picó et al. 2019), so analytical results may be difficult to compare across studies. The
previously mentioned GESAMP report (GESAMP 2019) also compares methods for
processing and analysing MPs but does not provide clear suggestions for
standardization.

There is an urgent need for standardizing methodologies to be applied to the
exposure assessment, which include those related to sample processing, MP extrac-
tion, identification and counting, as well as the units to be used for reporting data.
The major gap refers to very small-sized MPs (below 20 μm) and NPs. Particularly
the latter can currently not be included in monitoring programmes because suitable
sampling methods are lacking and analytical methods, such as pyrolysis-GC/MS
(Fischer and Scholz-Böttcher 2017), are exploratory (GESAMP 2019).

Most procedures commonly applied to date allow sampling, processing and
measuring particles down to a minimum size of 20 μm. Only very few studies
measured smaller particles, down to 10 μm (e.g. Leslie et al. 2017; Simon et al.
2018). In theory, very small particles and, especially, NPs should be more abundant
in the environment, and their concentrations are expected to increase. The develop-
ment of methods for the evaluation and quantification of small-sized MPs and NPs is
one of the major research needs to assess the potential risks for human and environ-
mental health. In particular, detection technologies to identify nano-sized plastic
particles are still lacking (Mai et al. 2018). A promising approach, at least to quantify
the mass and the composition (if not the number of particles), could be the use of
Pyr-GC/MS (Hendrickson et al. 2018; Mintenig et al. 2018) coupled with methods
of small-sized particle separation based on ultrafiltration membrane technologies
(Mulder 1998; Judd and Jefferson 2003).

5.2 Towards a Microplastic Mass Balance and Suitable
Evaluation of Environmental Fluxes

The difficulties in getting reliable and comparable results for the concentrations of
MPs in the different environmental compartments and the limited information
regarding some fluxes among compartments make the evaluation of a regional and
global mass balance of plastics challenging. However, some first estimates can be
made based on the available data, at least to give an approximate order of magnitude
of the contribution of different sources to surface waters.

From the data reported in Fig. 2 and Table S1, it can be concluded that the range
of particles in effluents from WWTPs that include secondary and tertiary treatments
spans from 1 to 5800 MPs/L, with a geometric mean around 29 MPs/L. In
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non-treated wastewaters, the concentrations range from a few particles/L up to more
than 100,000, with a geometric mean of about 242 MPs/L. These data are in
reasonable agreement with the percentage of retention by WWTPs reported by
several authors, which ranges from 80% to 99% of the number of inflowing particles
(see Sect. 4.3).

The approximated per capita consumption of water in Europe is 140 L per day
(EEA 2018). Although with some regional differences, it may be estimated that
about 85% of the EU population (525 million in the EU plus Norway and Switzer-
land) is connected to WWTPs with secondary or tertiary treatment, while the
remaining population (15%) is connected to WWTPs with only primary treatment
or is not connected at all (Table 1).

From these data, it can be estimated that the daily input of MPs (in the range of
20–5000 μm) via wastewater into European surface waters is:

• From treated wastewater: an average value of 1800E+9 particles per day (possible
range from 9E+9 to 130E+12 particles/day)

• From untreated wastewater: an average value of 2700E+9 particles per day
(possible range from 27E+9 to 1400E+12 particles/day)

Transforming these data on a weight basis is challenging because, in general, only
numbers of MPs are reported, while size/weight conversion factors are not readily
available. Combined data on numbers and weight are reported in a Danish report
(Vollertsen and Hansen 2017) assessing MP occurrence in ten different WWTPs and
in the study by Simon et al. (2018). However, both studies took only MPs between
10 or 20 and 500 μm into account. Therefore, estimating the load on a weight basis
from the particle numbers is not possible.

Despite their wide range of variability, these estimates give a first approximation
of the load of MPs in surface waters from urban wastewater and allow the following
observations. First, the load that may be attributed to the relatively small percentage
of European untreated wastewaters is much higher than the load deriving from
treated wastewater, which points towards a definite need of implementing secondary
and tertiary WWTPs in areas that are still not connected to reduce total MPs
emission. Taking into account that untreated wastewater is concentrated in south-

Table 1 Percentage of EU population connected to WWTPs in 2015 (EEA 2019)

No treatment or
no connection
with sewerage

Primary
treatment

Secondary
treatment

Tertiary
treatment

Northern 15.1 5.6 2.3 77

Central 3.4 0 16.5 80.1

Southern 23 2.2 21.3 53.4

Eastern 26 0.2 13.6 60.6

South-eastern 40 16.7 22.8 20.6

Weighted average with
respect to population

13 2 18 67
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eastern Europe, it may be hypothesized that some watersheds (e.g. lower Danube)
are subjected to higher contamination than those located in other European regions
(Lechner et al. 2014). Unfortunately, data on MP concentrations in surface waters of
south-eastern Europe are not available. Siegfried et al. (2017) implemented a
modelling approach based on estimations of mass-based per capita consumption
rates of personal care products, plastic fibres from textiles, plastic fibres in household
dust and tyre debris and concluded that the largest emitted mass from rivers to the sea
occurs for tyre debris, followed by textile fibres. Furthermore, they estimated that the
majority of plastic particles emitted in Europe flow into the Mediterranean and the
Black sea as a result of different socio-economic development and technological
status of sewage treatment facilities.

Due to the scarcity of data of water consumption and WWTP implementation, a
comparable evaluation cannot be done for other continents. However, it may be
hypothesized that the percentage of treated wastewater in Asia and Africa is much
lower than in Europe or North America.

The problem is also complicated by the fact that only a relatively small part of the
population is connected to sewerage systems. Data from the WHO/UNICEF Joint
Monitoring Programme (JMP), referred to 2015, indicate that in Eastern, South-
eastern and Central Asia, with a population of more than four billion inhabitants,
only 25% of the population is connected with sewerage systems and in sub-Saharan
Africa the percentage is lower than 6% (WHO/UNICEF 2019). The high concen-
trations of MPs in surface waters of Asia (mostly assessed in China), as compared to
those measured in Europe (Fig. 4), support the hypothesis regarding the large
influence of WWTP on surface water emissions. The dominant shape in WWTP
effluents are fibres, followed by fragments. Only in one case a minor amount
(<10%) of pellets that may be classified as primary microbeads was observed
(Dyachenko et al. 2017).

Wastewater represents only one of the possible pathways of MPs into surface
waters, and as discussed in this study, surface runoff from agricultural and urban
soils may also represent a major source. Unfortunately, a comparable estimate of
MPs emissions from soils due to water runoff is not possible due to field data
limitations. On the other hand, this review shows that MP concentrations in
WWTP sludge (mainly from Europe) range between 10E+3 and 10E+5 particles/
kg dw. Nizzetto et al. (2016) estimated that the total yearly input of MPs from
sewage sludge to farmland is about 63,000–430,000 tons in Europe and
44,000–300,000 tons in North America. Data on MP concentrations in soil are
scarce and scattered (Fig. S2 and Table S3). The majority of data on agricultural
soils refer to China and indicate a reduced range of variability (from about 60 to
200 particles/kg dw), except for a couple of higher values (more than 10,000
particles/kg dw) from soils sampled in a greenhouse. Overall this study shows that
soil could be considered as a sink as well as a source of MPs to surface water.
Therefore, further research is urgently required to assess fluxes of MPs from soils
into surface water ecosystems and to assess the fate of MPs in the soil ecosystems,
investigating its retention potential and the capacity of MPs to reach groundwater
ecosystems. An additional source of MPs to soil and surface water may be
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atmospheric fallout (Dris et al. 2016). However, the information available to date
does not yet allow a quantitative estimate (Wetherbee et al. 2019). An attempt to
perform a quantitative evaluation of emissions to all environmental compartments
(air, soil, WWTP, surface waters) has been made for tyre debris indicating that urban
and road runoff, as well as atmospheric deposition, may represent relevant contri-
butions (Kole et al. 2017).

The formation or disappearance of MPs within the compartments also has to be
considered in an overall mass balance. MaP fragmentation in the different compart-
ments is reasonably one of the major sources of MPs in the environment. However,
the patterns of MaP fragmentation, their characterization and quantification in terms
of amount produced and time to produce them are still largely unknown. The only
fragmentation pattern that is sufficiently documented and quantified is the produc-
tion of fibres during laundry of synthetic fabrics (Browne et al. 2011; Eerkes-
Medrano et al. 2015). Although the amount of fibres may vary depending on the
type of clothes (e.g. polymer composition, weave type, age), the type of washing
machine and the washing condition, it has been estimated that several thousand
fibres are generated per washing cycle (Hartline et al. 2016; Napper and Thompson
2016; Pirc et al. 2016; Carney Almroth et al. 2018).

For any other type of plastic breakdown process, reliable experimental quantita-
tive information is not yet available, although a modelling approach to predict the
contribution of MaP breakdown to the MPs bulk in the ocean has been proposed
(Koelmans et al. 2017b). Plastic fragmentation in the environment may be extremely
variable in function of factors like light intensity, temperature, erosion and other
physical impacts. The number and weight of MPs and NPs that may be produced by
aMaP item (e.g. a bag or a bottle) in a given time under environmental conditions are
still largely unknown. This is an important knowledge gap that must be investigated
in depth and may be somewhat inferred based on the amount and type of polymers of
MaP litter in the environment and their documented half-lives.

Although plastic polymers are persistent compounds, some polymers can
undergo biodegradation (Albertsson et al. 1987). Scientific evidence of biodegrada-
tion through bacterial activity and invertebrate digestion mechanisms has increased
recently (Briassoulis et al. 2015; Yoshida et al. 2016; Yang et al. 2018). Compared to
MaPs, MPs and NPs may be more prone to form complex structures with organic
matter particles and be readily attacked by bacteria and invertebrates. Therefore, a
real possibility of their complete disappearance exists. Nevertheless, to date, the
extent of these degradation processes in environmental compartments, their time
scale as well as the patterns and the end products are relatively unknown (SAPEA
2018). Although plastic polymers are practically inert molecules, with low biological
and toxicological activity, many monomers, which can be formed during the degra-
dation of plastic, are not. Monovinylchloride (the monomer of PVC), for instance, is
a recognized carcinogenic compound (Brandt-Rauf et al. 2012).
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5.3 Microplastics in Environmental Compartments: What
Does It Mean in Terms of Risks for Living Organisms?

As discussed above, information on the presence of MPs in environmental compart-
ments is often biased by the inconsistency of units (e.g. n/L, n/m2, mg/L, n/kg,
mg/kg), by the variability in size classes sampled and measured and by the com-
plexity in shape and composition that are often not clearly reported. These incon-
sistencies make the assessment of their possible impact on living organisms rather
complex, so the actual environmental risks of different plastics and their associated
chemicals remain largely unknown (Koelmans et al. 2017a). It is important to
highlight that quantifying the effects of MPs on living organisms by a simple
concentration-response relationship of the whole mass of MPs of a certain type
found in environmental samples is more complicated than for most chemical con-
taminants. Their impacts on aquatic organisms depend on a number of factors such
as:

• The shape: the physical effect determined by long and thin fibres may be
completely different from those determined by microspheres or by irregular
fragments (Au et al. 2015; Lambert et al. 2017).

• The size range: the definition of MPs in terms of size is extremely wide (from
5 mm to 1 μm), and the living organisms that may be affected by MPs are also
extremely variable in size, for example, in the aquatic environment, from fish to
zooplankton; for any type and size of organism, different MP size classes may be
ingested, including small sizes (below 20 μm) and NPs, that are practically never
measured.

• The composition: for most MP polymers, being the effects mainly physical, it
may be hypothesized that the response is not related to the polymer composition;
however, for some particular MP particles, such as for tyre debris, the composi-
tion is much more complex, and the effects may also be determined by the
leaching of non-polymeric chemicals.

Some recent effect studies took these parameters into account, used exposure
conditions in relation to the traits of the organisms (i.e. feeding type; substrate
preference) or provided dose-response relationships (e.g. Au et al. 2015; Redondo
Hasselerharm et al. 2018; Scherer et al. 2017; Ziajahromi et al. 2017b). This allows
to conduct an ecological risk assessment with preliminary data for a range of species
based on a comparison between an environmental exposure (e.g. a PEC – predicted
environmental concentration) and an effect level (e.g. a PNEC – predicted no effect
concentration). So far five studies carried out a provisional ecological risk assess-
ment for MPs (Adam et al. 2019; Besseling et al. 2019; Burns and Boxall 2018;
Everaert et al. 2018; Zhang et al. 2019). Burns and Boxall (2018) did not identify any
ecological risk for measured concentrations in water or sediment. Adam et al. (2019)
conducted risk assessment for different continents and found that although no risk is
expected for Europe and North America, ‘a risk cannot completely be excluded in
Asia’, where the highest MP pollution occurred. These findings are supported by a
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case study in the Youngjiang River in south China (Zhang et al. 2019). The authors
calculated a risk quotient for each of their sample sites by dividing the measured MP
concentrations by PNEC values derived from species sensitivity distribution based
on literature toxicity data. They found that for most sites, a risk threshold was not
exceeded, except for the two most contaminated sites, which were close to the urban
centre of Nanning City (Zhang et al. 2019). Besseling et al. (2019) concluded that
hazardous MP concentrations do not occur for freshwaters, while hotspot locations
of nearshore marine surface waters may exceed safe concentrations. Similarly,
Everaert et al. (2018) derived for the marine environment that at current average
concentrations, no risk is expected but that a risk cannot be excluded for heavily
polluted sites. As MP concentrations in the environment are usually reported in
particle numbers while effect data is based on mass, a transformation was necessary
in these studies to be able to compare effect and exposure data. To perform a refined
ecological risk assessment of MPs will require much more detailed information on
MP exposure with a precise assessment of number (or weight) of particles per size
classes, shape and composition. Considering that current methods for the analysis of
MPs are complex, expensive and time-consuming, this level of detail is, to date,
difficult to achieve. Further research should be devoted to both areas, to refine
exposure assessments including areas that are expected to be heavily polluted but
on which information is still completely missing such as the Ganges in India or the
Amazon in South America (Adam et al. 2019). Moreover, effect assessments should
be performed taking into account ecologically relevant combinations of organisms
and MP sizes, shapes and types. It is most likely that future risk assessments need to
consider MP particle mixtures taking into account different polymer types, shapes
and sizes and that exposure and risk indicators are derived taking all these variables
into account.

For NPs, risk assessment is currently not feasible as they cannot be detected in
environmental samples thus far. Also, regarding the effect assessment, the major
unknown issues are related to small and very small particles (Koelmans 2019). NPs
are particularly interesting because they may cross cellular membranes and enter into
cells if they are below a given size. Within the cells, NPs can possibly interact with
the cellular content, structure and function. This represents a substantial difference in
comparison with MaPs or MPs. Indeed MPs cannot be accumulated in biological
organs and tissues and may produce mainly physical stress on living organisms,
although the consequences of that may result in physiological and metabolic alter-
ations. The size threshold below which small plastic particles may enter in the cells is
still unknown. Recent studies on NPs performed with reference materials labeled
with fluorescent dye demonstrate their capacity to be taken up, enter tissues and
accumulate in small organisms (Cui et al. 2017; Lee et al. 2019). However, some
authors discuss that this can be an artefact either created by the leaching of those dye
paints, which can be taken up into cells or due to the autofluorescence of the
evaluated biological tissues (Catarino et al. 2019; Schür et al. 2019).

28 T. Schell et al.



5.4 How Can MP Inputs into the Environment Be
Controlled?

From all the considerations mentioned above, it is evident that the precautionary
principles strongly push towards the control of MPs and NPs. From the available
literature on MP presence in the environment, it appears that primary MPs represent
a relatively small amount of the total bulk of MPs detected, being secondary MPs the
largest majority. It is difficult to quantify the percentage of primary MPs in the
environment precisely. However, in general, it seems to be never higher than 10%,
and in most cases, the percentage is much lower, sometimes almost negligible. For
example, in urban wastewater, the majority of MPs is represented by textile fibres
(see, e.g. Dris et al., 2015; Vollertsen and Hansen 2017; Wang et al. 2017b), while in
runoff water the most abundant particles are fragments from MaP breakdown (see,
e.g. Liu et al. 2019a). Therefore, the recent proposal of ECHA (2019) for a ban or
restriction of primary MPs may have a limited relevance and effectiveness for the
reduction of the presence of MPs in the environment.

Based on the information available to date, the most plausible solution to reduce
the environmental emission and exposure to MPs seems to be the control of MaPs.
The restrictions on single-use plastic items that will be active in Europe starting from
2021 (EC 2019) seem to be an excellent starting point. Comparable restrictions
should be applied in the short term on food and other kinds of packaging, which
represent the largest amount of plastic wastes. In addition to restrictions, a more
efficient recycling strategy and improvement of the circular economy related to
plastic products would be beneficial (Barra and Leonard 2018). However, in some
cases, different types of measures should be developed. As shown above, fibres
represent the most abundant type of MPs present in wastewater. Since it is almost
impossible to ban synthetic fabrics that today make up the majority of our clothing,
the solution should be sought in another direction (e.g. by means of retaining fibres
in washing machines, water treatment procedures, etc.).

Finally, the substitution of traditional plastic polymers, based on the petrochem-
ical industry, with new-generation polymers, based on biological resources
(e.g. PLA, polylactic acid; PHA, polyhydroxyalkanoates) is often proposed as a
suitable solution. However, present knowledge on the toxicological properties of
these new compounds and of their degradation products must be improved (Lambert
and Wagner 2017; Picó and Barceló 2019). Understanding possible biodegradation
patterns of traditional and emerging plastic polymers is important for future man-
agement and remediation of plastics in the environment.
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6 Conclusions

In this study we have described the state of the knowledge regarding the occurrence
of MaPs and MPs in different environmental compartments. It has been highlighted
that some data gaps still exist in order to better understand their life cycle, to develop
a precise mass balance and to quantitatively assess the contribution of the different
main sources of MaPs, MPs and NPs in the environment. The emission of MPs from
WWTPs into aquatic ecosystems is the environmental pathway that has been most
researched. However, there are other pathways that may have similar or even larger
contributions and that require further investigation. Those pathways are, for exam-
ple, the fluxes of plastics from landfills and agricultural soils towards surface and
groundwater ecosystems by water runoff or deep-horizon infiltration, or the transport
and deposition of plastic particles from the atmosphere. Moreover, quantitative
evaluations of the occurrence of large-sized plastics in natural environments need
to be performed, and their breakdown rates into MPs and NPs still need to be
assessed under different environmental conditions (i.e. temperature and light inten-
sities, water currents).

There is enough experimental evidence demonstrating that the presence of MaPs
in aquatic ecosystems represents an environmental risk, particularly for large ani-
mals. Regarding MPs, a risk for human and environmental health has not been
demonstrated. Available toxicological evidence indicates that some effects on
aquatic and terrestrial organisms, vertebrates and invertebrates, have been observed
only at concentrations that are orders of magnitude higher than the maximum levels
measured in the environment. Other possible effects, such as a potential increase in
the bioaccumulation of chemicals due to their transport into the organisms adsorbed
on MPs (the ‘Trojan Horse effect’), seem to be context dependent and negligible in
comparison with direct accumulation from the surrounding environment (e.g. from
water) or from food (Koelmans et al. 2013, 2014; Lohmann 2017; Mohamed Nor
and Koelmans 2019). However, research still needs to demonstrate this experimen-
tally. An additional gap is represented by the toxicological risks of NPs that has to be
investigated in further detail, taking into account their bioaccumulative and reactive
potential in biological tissues, organs and cells.

Current knowledge gaps regarding environmental fluxes and breakdown of MPs
and NPs are still too large in order to assess future risks for man and the environment.
Furthermore, the bias on sampling and analysis makes a precise quantification
challenging. This is particularly difficult for small MPs and NPs, which are probably
the more concerning particles from a toxicological point of view. Moreover,
although present exposure seems to be far away from levels of concern, it is difficult
to predict future emission patterns since they will be closely related to plastic use and
management policies. This review shows that the construction of wastewater treat-
ment facilities and the proper management of sludge applications in agriculture are
efficient means to reduce MPs emissions. Moreover, the ban of single-use plastics,
the substitution of some plastic polymers with biodegradable compounds and the
reduction of MPs emission at a source are key to control plastic pollution. From now
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onwards, we expect technological solutions to be developed and implemented in this
direction. There is no doubt that plastics changed our life in the middle of the last
century and the control of plastics will again change our life in the near future.

7 Summary

This study assessed the current knowledge regarding the industrial sources of
plastics and MPs, their environmental pathways and load rates and their occurrence
and fate in different environmental compartments. Existing data limitations regard-
ing the global environmental cycle and exposure sources of MaPs, MPs and NPs to
aquatic and terrestrial ecosystems are highlighted. While the presence of MPs in
wastewater and freshwater is relatively well studied, data on sediments and espe-
cially soil ecosystems are too limited. Moreover, the overall occurrence of large-
sized plastics, the patterns of MP and NP formation from them, the presence and
deposition of plastic particles from the atmosphere and the fluxes of all kinds of
plastics from soils towards aquatic environments (e.g. by surface water runoff, soil
infiltration) are still poorly understood. Finally, this study discussed several research
areas that need urgent development in order to better understand the potential
ecological risks of plastic pollution and provides some recommendations to improve
management and control of plastic and MP inputs into the environment.
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1 Introduction

The main components of air are nitrogen (approximately 78%), oxygen (21%) and
argon, carbon dioxide, helium, hydrogen, neon, and water vapor (together ~1%).
Atmospheric pollution is the lasting presence in the air of these and other chemicals
at concentrations above their natural levels, which could potentially lead to adverse
health effects. It derives mainly from anthropogenic activities that use combustion.
Effects of air contamination are important if climatological and geographical factors
reduce its dissipation, especially in areas with huge anthropogenic activity. Due to
this, many people breathe contaminated air, and the World Health Organization
(WHO) has estimated that 4.2 million deaths every year are a result of poor air
quality, with 91% of the world’s population being exposed to air pollutants by living
in places where air quality exceeds WHO safety guidelines (https://www.who.int/
airpollution/en/).

It is a fact that meteorological and climatic variables play an important role in the
determination of air pollution patterns and the global climate change is foreseen to
cause an increase in the concentration of some pollutants (Kinney 2008). Santiago, the
capital city of Chile, is among the cities with higher air pollution levels in the world. Its
location and weather, when combined with high anthropological emissions, create
critical air pollution conditions. A recent model explained elevated particulate matter
(PM) concentrations during high pollution events in Santiago, as a function of weather
conditions in central Chile and in Argentina, which at the local level generate a
depression at the base of the inversion layer, an increase in the vertical thermal
stability, lower humidity and low-wind conditions. Pollutant dispersion is thus
decreased leading to poor ventilation of contaminated air (Toro et al. 2019).

Due to its geography, people in the city of Santiago experience dry and hot
summers and damp winters, which contribute to the air pollution episodes that put
younger and older people at risk of respiratory and cardiovascular diseases.
Henríquez and Urrea (2017) showed a rise in daily emergency visits in winter
compared to summer (odds ratio of 2.2646), which were associated with higher
daily concentrations of PM, carbon monoxide, and sulfur and nitrogen oxide during
winter. Noteworthy, the press has recently covered the news that Chile has nine of
the ten more air-contaminated cities in South America (https://bit.ly/2ovYLiu).

The effects on health of air pollution vary according to type of pollutants, their
concentration, and duration of exposure. It is generally accepted that air contamina-
tion causes cardiovascular and pulmonary morbidity in addition to increased mor-
tality after exposure, but other epidemiological associations have also been
described, including cancer as well as reproductive and immunological toxicity
(https://www.who.int/airpollution/en/). Due to the multicomponent aspect of con-
taminated air, it is hard to establish what component of the contaminant mixture
produces a specific health problem. However, there is a growing amount of evidence
that indicates that PM plays a key role in the induction of cardiovascular and
respiratory diseases (Kim et al. 2015).
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Data analytics may be employed to generate information of air quality within the
context of data-driven decision-making (DDDM), a process associated with big data
and data science (Baesen 2014; Dietrich 2015; Aykroyd et al. 2019). DDDM allows
us to study the impact of atmospheric contaminants on human health and the urban
environment. In epidemiological studies, average air contaminant concentrations are
employed as indicators of air pollutant levels. However, since concentrations of air
pollutants vary with geographical and meteorological conditions, they are treated as
random variables taking values greater than zero. Then, these random variables are
described by a statistical distribution, which is frequently asymmetrical with a
positive skewness (Marchant et al. 2013). Note that pollutant concentrations are
expressed as number of units of mass of a certain substance (or agent) per a defined
unit of mass in the set, so it can never take negative values (Ott 1990). Thus, the
popular normal or Gaussian distribution is not applicable and authors resort to data
transformation which has limitations. Alternatively, one can avoid data transforma-
tion by modeling with a suitable distribution (Leiva et al. 2015; Marchant et al. 2019)
such as Birnbaum-Saunders.

The Birnbaum-Saunders distribution has positive skewness (asymmetry). It has
been defined over a range of continuous values greater than zero, allowing its use to
describe random variables with positive support such as atmospheric pollutant
concentrations. This distribution was derived from physical considerations of mate-
rial failure due to fatigue (Leiva 2016) and has been successfully applied to describe
air pollutant concentrations (Leiva et al. 2008, 2015; Vilca et al. 2010; Ferreira et al.
2012; Marchant et al. 2018, 2019). Leiva et al. (2015) provided a mathematical
formulation based on the proportionate-effect law (also known as the Gibrat law) to
justify the use of the Birnbaum-Saunders model as environmental contaminant
statistical distribution, justification which was previously associated also with the
lognormal distribution (Ott 1990). According to Leiva et al. (2015), a contaminant
concentration follows the proportionate-effect law if the growth in the concentration
at any step of the contamination process is a random proportion of the previous value
of the concentration. The Birnbaum-Saunders distribution has properties that are
similar to those of the lognormal distribution (Aitchison and Brown 1973; Leiva
2016), including the relationship with the proportionate-effect law and contamina-
tion processes (Aitchison and Brown 1973, p. 22; Ott 1990; Leiva et al. 2015). In
addition, in both Birnbaum-Saunders and lognormal distributions, their parameter
estimation is sensitive to atypical (extreme or outliers) data; a situation frequently
found when one analyzes air contaminant concentrations. Díaz-García and Leiva
(2005) derived an extension of the Birnbaum-Saunders distribution which is known
as the generalized Birnbaum-Saunders distribution. These distributions are a flexible
general family based on the Birnbaum-Saunders distribution, which contains several
particular cases. One of these cases is the Birnbaum-Saunders-Student-t distribution,
from now on Birnbaum-Saunders-t distribution (Athayde et al. 2019), whose esti-
mation of its parameters is not sensitive (robust) to the presence of atypical obser-
vations, which are common in environmental contamination data. It is important to
mention this issue of robustness to be kept in mind when using the Birnbaum-
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Saunders-t distribution, due to the relevant role that the Birnbaum-Saunders distri-
bution and its extensions are taking in environmental modeling.

Air chemical pollutants can be broadly grouped into four classes: gaseous
compounds; heavy metals; persistent organic pollutants; and suspended particles
or PM. Given the importance of PM in air pollution toxicity and that the Birnbaum-
Saunders and Birnbaum-Saunders-t models are adequate to statistically describe
pollutant distributions, the objectives of this article are (1) to provide a notion of
the serious threat of PM10 and PM2.5 for human health; (2) to describe the air
contamination problem in Santiago, Chile; and (3) to propose a data science meth-
odology that can be applied for modeling air quality. We exemplify this methodol-
ogy using air contamination real data from the city of Santiago, Chile.

2 Particulate Matter and Contamination in Santiago
of Chile

2.1 Adverse Effects of Particulate Matter

PM is a complex mixture of particles and liquid droplets that get into the air (Adams
et al. 2015; Hime et al. 2018). It is classified according to its diameter, which is
important for risk evaluation, as particle size determines site of deposition within the
respiratory tract. Thus, particles with a diameter over 10 μm do not penetrate into
airways. Hence, these particles are usually considered to be of low risk, as they are
deposited in the upper respiratory tract (on the nose and throat epithelium, above the
larynx) and are cleared by mucociliary function. On the contrary, particles with a
diameter smaller than 10 μm (PM10) are considered to be inhalable, that is, they get
past the larynx, and, according to their size, they are deposited either on lower
airways (particles between 2.5 and 10 μm) or on the alveoli of the lungs (particles
smaller than 2.5 μm, PM2.5). Particles smaller than 0.1 μm are called ultrafine
particles (UFPs) and easily reach the lung, where they are absorbed into the blood
(WHO 2000, 2013).

PM is very complex as it varies greatly in source and composition. Coarser
particles (those between 2.5 and 10 μm) are formed by the breakup of larger particles
and usually contain minerals as well as carbon. Finer particles (<2.5 μm and
including UFPs) derive mainly from combustion and may be either a carbon core
with adsorbed hydrocarbons, such as polycyclic aromatic hydrocarbons and metals
or secondary particles formed from sulfur and nitrogen oxides. Coarser particles may
also include biological material such as mold, pollen, endotoxins, and bacteria
(WHO 2000; Adams et al. 2015; Falcon-Rodriguez et al. 2016; Thompson 2018).

Anthropogenic activities, such as public transportation and industrial combustion,
are the main contributors to the pollution of air in urban environments. The health
effects of inhalable PM, after both acute and chronic exposure, have been described
in the scientific literature. For instance, a 1953 article describes how the London Fog

48 M. F. Cavieres et al.



Incident in December 1952 led to the death of at least 4000 people mainly from
respiratory and cardiovascular conditions (Logan 1953). Nowadays, it is greatly
accepted that toxicity from exposure to air pollution results in great part from the
action of airborne PM. In addition, these health effects generally include not only
respiratory and cardiovascular diseases but also cancer (WHO 2013). Furthermore,
there is some evidence that PM may also cause or contribute to neurotoxicity and
developmental toxicity (Thompson 2018). Animal and human studies have reported
that PM causes systemic inflammation increasing respiratory and cardiovascular
morbidity, as well as mortality from respiratory and cardiovascular diseases and
cancer (WHO 2013; Wu et al. 2018). In fact, outdoor air pollution and PM in outdoor
air pollution are both classified by the International Agency for Research on Cancer
(IARC) as carcinogenic to humans (Group 1). The IARC concluded that PM not
only is associated with an increase in genetic damage predictive of cancer but that it
also may promote cancer progression by inducing oxidative stress and sustained
inflammation (IARC 2016).

2.2 Geography, Topography, and Location of Santiago
and Its Air Monitoring Stations

Santiago, the capital of Chile, is the largest city in the country, with an area of
867.75 km2 and a population of about 7.1 million people, which is approximately
40.5% of the Chilean population (according to the information obtained from the
Population and Housing Census 2017 conducted by the Chilean government). Santi-
ago city is located in subtropical South America (33�270S, 70�400W), between a
coastal mountain range to the West (with an altitude close to 1000 m above sea
level) and the Andes mountain range to the East (with an altitude of around 3000 m
above sea level). Santiago has been facing air pollution problems for more than three
decades, becoming one of the cities with the highest levels of air pollution in the world
(Ostro 2003). Its poor air quality is believed to be the result of the growing industrial
sector, fast-growing population, and increased number of motor vehicles, worsened by
geophysical constraints for pollutant dispersion in Santiago’s basin (Préndez et al.
2011; Mendoza et al. 2019). In fall and winter seasons, subsidence conditions induce
thermal inversion layers that increase levels of pollutant concentrations, creating a
characteristic seasonality of air quality in the city (Villalobos et al. 2015).

Santiago has eleven (11) monitoring stations (which make the air quality assess-
ment network for the Metropolitan Region of Santiago, denominated MACAM),
located at different zones in the Metropolitan region of Chile. Figure 1 shows these
stations which are named as (MS1) Independencia; (MS2) La Florida; (MS3) Las
Condes; (MS4) Santiago city; (MS5) Pudahuel; (MS6) Cerrillos; (MS7) El Bosque;
(MS8) Cerro Navia; (MS9) Puente Alto; (MS10) Talagante; and (MS11) Quilicura.
The monitoring stations are geographically located with their respective numbers on
the map of Fig. 1.

A Methodology for Data-Driven Decision-Making in the Monitoring of Particulate. . . 49



2.3 Local Air Quality Guidelines

The current official methodology used by the Chilean authority in Santiago to predict
PM10 concentrations is based on a multiple regression model (Morales et al. 2012).
It helps to forecast the maximum value of the 24 h average concentration of PM10 in
μg/normalized cubic meters (Nm3) for the period from 00:00 to 24:00 h of the next
day. In 2015, through Supreme Decree number 15/2015 and resolution number
9664/2015, it was instructed by the Chilean Ministry of Health to declare sanitary
alert based on PM2.5 concentrations. Chilean guidelines for PM2.5 and PM10
concentrations are established at maximum values of 50 and 150 (in μg/Nm3), during
24 h, respectively (CONAMA 1998; MMA 2011).

Fig. 1 Map of MACAM network of Santiago (Source: Metropolitan Regional Secretariat of the
Chilean Ministry of Health)

50 M. F. Cavieres et al.



2.4 Health Effects of PM in Santiago

Several studies indicate that people living in Santiago are at risk due to the poor air
quality of the city (Préndez et al. 2011; Romieu et al. 2012; Requia et al. 2018;
Perez-Padilla and Menezes 2019). Ilabaca et al. (1999) evaluated the impact of daily
variation of PM2.5 and other pollutants on the number of daily respiratory emer-
gency visits to an important pediatric hospital of Santiago. The authors
concluded that atmospheric air pollutant mixtures, especially fine PM, adversely
affected the respiratory health of children residing in Santiago, evidenced by an
increase in the number of daily respiratory emergency visits. Cifuentes et al. (2000)
studied the effect of concentrations of inhalable PM, as well as of other gaseous
pollutants, finding an association with increased daily mortality. Traffic combustion-
related particles were found to be associated with emergency visits in Santiago
(Cakmak et al. 2009). Franck et al. (2014, 2015) provided evidence for increased
hospital admissions related to respiratory and cardiovascular diseases, after critical
air pollution events in Santiago, showing the influence of combined exposure to
airborne pollutants. Recently, Matus and Oyarzún (2019) indicated that an increase
of 10 μg/m3 of PM2.5 with 1 and 2 days of lag was associated with an increase of
near 2% in children’s hospitalizations due to respiratory diseases. This percentage
increased to 5% when the exposure was with 8 days of lag, reflecting synergism
between PM and respiratory viruses.

3 Data Science Methodology for Monitoring Urban
Environmental Contamination

3.1 Birnbaum-Saunders np Control Charts

An np-chart is an adaptation of the control chart for nonconforming fraction when
samples of equal size (n) are taken from the process (Leiva et al. 2015; Aykroyd et al.
2019). The np-chart is based on the binomial distribution as detailed below. In
quality monitoring processes, one could be concerned about a random variable
corresponding to the number (D) of times that the quality variable (X) exceeds a
fixed value (x) established for the process, given an exceedance probability ( p).
Here, p can be computed by means of a continuous statistical distribution of the
quality variable X as p ¼ P(X > x) ¼ 1 � FX(x), where FX is the cumulative
distribution function of X. Thus, D follows a binomial distribution with parameters
n and p. Based on this distribution, an np-chart is proposed with lower control limit
(LCL), central line (CL), and upper control limit (UCL) given by
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LCL ¼ max 0, np0 � k np0 1� p0ð Þð Þ1=2
n o

, CL ¼ np0, UCL

¼ np0 þ k np0 1� p0ð Þð Þ1=2,

where k is a control coefficient such that k ¼ 2 indicates a warning level and k ¼ 3 a
dangerous level; p0 is the nonconforming fraction corresponding to a target mean
μX

(0) of the quality variable X, when the process is in control; and n is the size of each
subgroup to be monitored. Note that the nonconforming fraction is the probability
that the random variable X exceeds a dangerous concentration (x0), and therefore,
this probability is P(X > x0) ¼ 1 � FX(x0). The Birnbaum-Saunders distribution has
as one of its parameters the median (Leiva 2016). One can reparameterize the
Birnbaum-Saunders distribution switching its median to its mean μX (Santos-Neto
et al. 2014), with μX being the mean of the quality variable X previously defined.
Note that this mean-based reparameterization of the Birnbaum-Saunders distribution
allows us to have a similar setting as the Gaussian or normal distribution. Therefore,
considering x0 as proportional to μX

(0), that is, x0 ¼ aμX
(0), this permit us to establish

a monitoring criterion, where a> 0 is a proportionality constant. Note that the target
mean μX

(0) and the dangerous level x0 can be taken from process specifications.
Thus, when a monitoring process is in control (μX ¼ μX

(0)) for a quality variable
X following a Birnbaum-Saunders distribution (Leiva et al. 2015), the
nonconforming fraction is given by p0 ¼ 1 � FX(x0). Note that the specification of
the point x0 is equivalent to specifying the inspection point a > 0, because
x0 ¼ aμX

(0), in which μX
(0) is the target mean, which is assumed to be known.

Algorithm 1 provides a criterion for monitoring processes using an np-chart for a
quality variable X following a Birnbaum-Saunders distribution.

Algorithm 1 np Control Chart Based on the Birnbaum-Saunders Distribution
1. Consider N subgroups of size n.
2. Collect n data x1, . . ., xn of the random variable of interest X for each subgroup.
3. Set the target mean μX

(0), the inspection constant a, and the control coefficient k.
4. Count in each subgroup of n data the number d of times that xi exceeds

x0 ¼ aμX
(0), for i ¼ 1,. . .,n.

5. Compute LCL ¼max{0, np0 – k(nbp0(1� bp0))1/2}, CL¼ nbp0, and UCL ¼ nbp0 + k
(nbp0(1� bp0))1/2, where bp0 is the maximum likelihood estimate of p0¼ 1� FX(x0),
where FX is the cumulative distribution function of the random variable X defined
in step 2.

6. Declare the process as out-of-control if d > UCL or d < LCL or as in-control if
LCL � d � UCL.

3.2 Standard Bivariate Control Charts

The standard Hotelling T2 chart (Jackson 1985) is a useful tool for bivariate process
control under a normal distribution. Specifically, it assumes that the vector summa-
rizing the quality characteristics, (X1, X2), namely, follows a bivariate normal
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distribution. To monitor a bivariate process, the following statistical hypotheses are
considered:

H0 : μ1, μ2ð Þ ¼ μ1
0ð Þ, μ2

0ð Þ
� �

versus H1 : μ1, μ2ð Þ 6¼ μ1
0ð Þ, μ2

0ð Þ
� �

, ð1Þ

where (μ1
(0), μ2

(0)) is the target mean vector of an in-control process. Then, the
standard T2 statistic for testing the hypotheses above under a normal distribution is
used. In general, the construction of a bivariate control chart considers two phases. In
Phase I, a data set of size N ¼ m � n is obtained from an in-control status of the
underlying process, where m is the number of subgroups and n is the size of each
subgroup. This data set is used (a) to estimate the parameters of interest; (b) to verify
the distributional assumption with goodness-of-fit techniques; (c) to calculate LCL
and UCL; and (d) to detect bivariate outliers. Note that a bivariate outlier is
considered to be atypical by considering the whole bivariate data and not the value
of one given random variable (Marchant et al. 2019). In Phase II, LCL and UCL
obtained in Phase I are used to assess whether a data sample for a new subgroup from
the process is in control or not. Hence, in Phase II, LCL and UCL are used to detect
deviations of the new data set for a target mean value, (μ1

(0), μ2
(0)), namely, or

another target parameter of interest. In particular, for standard bivariate control
charts, in Phase I, considering a number m � 20 of subgroups and a size of
subgroups greater than one (n > 1), the distribution of the standard T2 test statistic
has a closed mathematically form. Then, the corresponding LCL and UCL obtained
from T2 are used (Lowry and Montgomery 1995; Montgomery 2009). Next, in
Algorithm 2, we detail how to compute the LCL and UCL of a standard bivariate
control chart. The average run length (ARL) is the mean number of points that must
be plotted before one of them to indicate an out-of-control status. ARL can be used to
evaluate the performance of a control chart. The probability that an observation is
considered as out of control, if the process is actually in control, indicates a false
alarm rate (FAR) η, which often is in the range 0.01–0.05 (1–5%).

Algorithm 2 Computation of Control Limits in Phase I for Standard Hotelling
T2 Charts
1. Consider two quality characteristics (X1i, X2i) ~ N2((μ1, μ2),∑) and the data vector

(x1hi, x2hi), containing the observations of these two quality characteristics from
an in-control process, where h ¼ 1,. . ., m and i ¼ 1,. . ., n.

2. Obtain the maximum likelihood estimates of (μ1, μ2) and ∑ using the data of the
pooled sample of size N ¼ m � n.

3. Verify the distributional assumption, as well as the presence of bivariate outliers.
If the distributional assumption is verified and no bivariate outliers are detected,
go to Step 4; otherwise, non-normal and/or robust control charts must be
considered.

4. Calculate T2 assuming a target (μ1
(0), μ2

(0)).
5. Obtain the LCL and UCL for the bivariate control chart of FAR η.
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Now, the LCL and UCL obtained in Phase I are used to monitor the process in
Phase II, that is, to observe whether the process remains in control as the data of new
subgroups are obtained. In Phase II, the T2 statistic is now denoted by T2new. Thus,
we plot the sequence of values for T2new in the bivariate control chart corresponding
to r subgroups generated in this phase. Next, in Algorithm 3, we indicate how the
control chart based on the bivariate normal distribution is utilized to monitor the
underlying process.

Algorithm 3 Process Monitoring Using the Standard Hotelling T2 Chart
in Phase II
1. Obtain the new data vector (x1hi, x2hi), for h ¼ 1,. . ., r and i ¼ 1,. . ., n, but, in this

case, it is not necessary that the new data are collected from an in-control process.
2. Obtain the maximum likelihood estimates of (μ1, μ2) and ∑ with the data of

Step 1.
3. Compute T2new for each sample of new data generated in the hth subgroup, with

h ¼ 1,. . .,r, for regular time intervals, obtaining the sequence t2new1,. . ., t
2
newr.

4. Plot the points t2new1,. . ., t
2
newr in the bivariate control chart with LCL and UCL

obtained in Phase I.
5. Establish that the process is in control if all points t2new1,. . .,t

2
newr fall between

LCL and UCL; otherwise, if any of the points t2new1,. . ., t
2
newr falls below the

LCL or above the UCL, the process is in an out-of-control condition.

Bivariate control charts under a normal distribution use mean vector and
variance-covariance matrix estimates, which are sensitive to outliers in Phase
I. Bivariate outliers can influence parameter estimates and cause out-of-control
conditions not be detected. The identification of outliers is usually based on the
Mahalanobis distance (MD. Note that the MD is useful to test goodness of fit in
regression models (Marchant et al. 2016b). However, sometimes outliers do not have
a large MD, which is known as masking effect (Ben-Gal 2005). This effect is
because the maximum likelihood estimators of the model parameters employed to
generate the MD are statistically non-robust. Masking effects occur when a group of
outliers distorts the estimates of the mean vector and/or variance-covariance matrix,
resulting in a small difference from the outlier to the mean. For details on the
masking effect, see Marchant et al. (2018) and references therein.

3.3 Bivariate Birnbaum-Saunders Control Charts (Phase I)

There are many practical applications where the normality assumption is not ful-
filled, because the data exhibit asymmetrical behavior or heavy tails, as in the case of
environmental pollution data. In this perspective, the bivariate Birnbaum-Saunders
and Birnbaum-Saunders-t distributions are a good alternative to the bivariate normal
distribution. In addition, as mentioned, these distributions have attractive properties,
including robustness and a theoretical justification for modeling environmental data
(Leiva et al. 2015). Thus, bivariate control charts based on Birnbaum-Saunders and
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Birnbaum-Saunders-t distributions can provide a useful methodology for monitoring
urban environmental pollution and particularly PM2.5 and PM10. In order to present
the methodology to be used, the type Hotelling chart for bivariate process control is
considered under Birnbaum-Saunders and Birnbaum-Saunders-t distributions. Spe-
cifically, we assume that the vector summarizing the quality characteristics (X1i, X2i)
follows a bivariate Birnbaum-Saunders or Birnbaum-Saunders-t distribution, for
i ¼ 1,. . ., n. The observed values (data) of these characteristics are (x1hi, x2hi),
corresponding to the ith case in the hth subgroup, for h ¼ 1,. . .,m and i ¼ 1,. . .,n,
with m � 20 and n > 1, as mentioned. In addition, suppose that the underlying
process is in control and the vectors (X1i, X2i) are independent over time. Now, in
practice, we work with the observations (y1hi, y2hi), where yjhi ¼ log(xjhi), for the hth
subgroup of the random vector (Y1i, Y2i), which follows a bivariate log-Birnbaum-
Saunders and log-Birnbaum-Saunders-t distribution, with h ¼ 1,. . .,m, i ¼ 1,. . .,
n and j ¼ 1, 2. For details on the bivariate log-Birnbaum-Saunders and
log-Birnbaum-Saunders-t distributions, see Marchant et al. (2016b).

Such as in (1), to monitor a bivariate process control, the following statistical
hypotheses are considered:

H0 : μY1, μY2ð Þ ¼ μ 0ð Þ
Y1 , μ

0ð Þ
Y2

� �
versus H1 : μY1, μY2ð Þ 6¼ μ 0ð Þ

Y1 , μ
0ð Þ
Y2

� �
ð2Þ

where μ 0ð Þ
Y1 , μ

0ð Þ
Y2

� �
¼ log β 0ð Þ

1

� �
, log β 0ð Þ

2

� �� �
is the target mean vector of an

in-control process in logarithmic scale (see details in Marchant et al. 2018), with

β 0ð Þ
j being the jth element of the target median vector β 0ð Þ

1 , β 0ð Þ
2

� �
. Note that,

differently from the normal case, the distribution of the T2 statistic adapted (T2a) to
the case of bivariate Birnbaum-Saunders distributions does not have a closed
mathematically form. Then, we use the parametric bootstrap technique to determine
its distribution (Hall 2013). After this distribution is obtained, we compute its
quantiles, and then the LCL and UCL of the bivariate quality control chart used in
this work are obtained in Phase I. Next, in Algorithms 4 and 5, we detail how to
compute the LCL and UCL of bivariate Birnbaum-Saunders (with no outliers) and
bivariate Birnbaum-Saunders-t (with outliers) control charts, respectively, with the
parametric bootstrap distribution of the T2a statistic.

Algorithm 4 Computation of Bivariate Birnbaum-Saunders Control Chart
Limits in Phase I
1. Consider two positive quality characteristics (X1i, X2i) which follow a bivariate

Birnbaum-Saunders distribution and their data vector (t1hi, t2hi) contains the
observations of these quality characteristics, where h ¼ 1,. . .,m and i ¼ 1,. . .,n,
with m � 20 subgroups of size n > 1 from an in-control process, as mentioned.

2. Generate the data vector (y1hi, y2hi) containing the logarithms of the data collected
in Step 1, where (y1hi, y2hi) can be considered as an observation of (Y1i, Y2i), which
follows a bivariate log-Birnbaum-Saunders distribution, with h ¼ 1,. . .,
m, i ¼ 1,. . ., n and j ¼ 1, 2.
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3. Obtain the maximum likelihood estimates of the corresponding parameters using
the data of Step 2 with the pooled sample of size N ¼ m � n, and verify the
distributional assumption. If the bivariate Birnbaum-Saunders distributional
assumption is verified and no bivariate outliers are detected, go to Step 4;
otherwise, non-normal and/or robust control charts must be considered, for
example, as that proposed in Algorithm 5.

4. Produce a parametric bootstrap sample ((y�1h1, y
�
2h1),. . ., (y

�
1hn, y

�
2hn)) of size

n from a bivariate log-Birnbaum-Saunders distribution using the maximum
likelihood estimates computed in Step 3.

5. Calculate T2a with the bootstrap sample generated in Step 4, denoted by T2�a,

assuming a target mean μ 0ð Þ
Y1 , μ

0ð Þ
Y2

� �
from the process.

6. Repeat Steps 4–5 a number B of times (for example B ¼ 10,000) and compute B
values of the bootstrap statistic of T2a, denoted by t2�a1,. . ., t

2�
aB.

7. Set the desired FAR η of the control chart.
8. Use the B values of the bootstrap statistic obtained in Step 6 to find out the

100 � (η/2)th and 100 � (1 � η/2)th quantiles of the distribution of T2a, which
represent the LCL and UCL for the bivariate Birnbaum-Saunders control chart of
FAR η, respectively.

Algorithm 5 Computation of Bivariate Birnbaum-Saunders-t Control Chart
Limits in Phase I
1. Consider two positive quality characteristics (X1i, X2i) which follow a bivariate

Birnbaum-Saunders-t distribution and their data vector (t1hi, t2hi) which contains
the observations of these quality characteristics, where h ¼ 1,. . .,m and i ¼ 1,. . .,
n, with m� 20 subgroups of size n> 1 from an in-control process, as mentioned.

2. Generate the data vector (y1hi, y2hi) containing the logarithms of the data collected
in Step 1, where (y1hi, y2hi) can be considered as an observation of (Y1i, Y2i), which
follows a bivariate log-Birnbaum-Saunders-t distribution, with h ¼ 1,. . .,
m, i ¼ 1,. . .,n and j ¼ 1, 2.

3. Obtain the maximum likelihood estimates of the corresponding parameters using
the data of Step 2 with the pooled sample of size N ¼ m � n, and verify the
distributional assumption. If the bivariate Birnbaum-Saunders-t distributional
assumption is verified, go to Step 4; otherwise, another robust non-normal control
charts must be considered.

4. Produce a parametric bootstrap sample ((y�1h1, y
�
2h1),. . ., (y

�
1hn, y

�
2hn)) of size

n from a bivariate log-Birnbaum-Saunders-t distribution using the maximum
likelihood estimates computed in Step 3.

5. Calculate T2a with the bootstrap sample generated in Step 4, denoted by T2�a,

assuming a target mean μ 0ð Þ
Y1 , μ

0ð Þ
Y2

� �
from the process.

6. Repeat Steps 4–5 a number B of times (for example B ¼ 10,000) and compute B
values of the bootstrap statistic of T2a, denoted by t2�a1,. . ., t

2�
aB.

7. Set the desired FAR η of the control chart.
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8. Use the B values of the bootstrap statistic obtained in Step 6 to find out the
100 � (η/2)th and 100 � (1 � η/2)th quantiles of the distribution of T2a, which
represent the LCL and UCL for the bivariate Birnbaum-Saunders-t control chart
of FAR η, respectively.

3.4 Bivariate Birnbaum-Saunders Control Charts (Phase II)

Note that, in Phase I, it is also necessary to verify the distribution assumption by
using goodness-of-fit techniques and evaluate bivariate outliers with appropriate
methods. Subsequently, the LCL and UCL of the bivariate Birnbaum-Saunders or
Birnbaum-Saunders-t control charts obtained in Phase I, and summarized in Algo-
rithms 4 and 5, are used to monitor the process in Phase II, that is, to assess whether
the underlying process remains in control as the data of new subgroups are obtained.
Therefore, the monitoring process using the bivariate Birnbaum-Saunders control
charts is carried out in Phase II and summarized in Algorithm 6, with the adapted
Hotelling statistic being denoted by T2anew.

Algorithm 6 Process Monitoring Using the Bivariate Birnbaum-Saunders
and Birnbaum-Saunders-t Chart in Phase II
1. Repeat Steps 1–2 of Algorithms 4 and 5, obtaining the data vector (y1hi, y2hi), for

h ¼ 1,. . .,r and i ¼ 1,. . .,n, but, as mentioned, in this case, it is not necessary that
the new data are collected from an in-control process.

2. Calculate the T2anew statistic for each sample of the new data obtained in Step
1, generated in the hth subgroup, with h ¼ 1,. . ., r, for regular time intervals,
generating the sequence t2anew1,. . ., t

2
anewr.

3. Plot the points t2anew1,. . ., t2anewr in the bivariate Birnbaum-Saunders and
Birnbaum-Saunders–t control charts, with LCL and UCL obtained in Phase I.

4. Establish that the process is in control if all points t2anew1,. . ., t
2
anewr fall between

LCL and UCL; otherwise, if any of the points t2anew1,. . ., t
2
anewr falls below the

LCL or above the UCL, the process is in an out-of-control condition.

4 Case Study in Santiago of Chile

4.1 Data and Air Monitoring Stations in Santiago

We use data collected by the Chilean Metropolitan Environmental Health
Service corresponding to the random variables: PM2.5 (X1) and PM10 (X2) concen-
trations, both of them measured in μg/Nm3. These data are available at https://sinca.
mma.gob.cl/ and were collected in 2015 as 1 h (hourly) average values. PM2.5 and
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PM10 concentrations were observed in the monitoring stations (MS1)-(MS10) of
Fig. 1. For our data analytics, we selected the MS5 station because it had high levels
of pollution in the period of critical events of air quality (April 1 to August 31) in
Santiago (Marchant et al. 2013). We use data of PM2.5 and PM10 concentrations
from the MS5 station and denote them as “PM2015MS5.” We employ the Chilean
guidelines values as targets in this case study. First, we carry out a correlation
analysis to detect if PM2.5 and PM10 concentrations of PM2015MS5 data are
statistically associated.

4.2 Data Exploratory Analysis for PM2.5 and PM10

Figure 2 shows the scatterplot for PM2.5 and PM10 concentrations. From this figure,
we detect that there is a high positive association between these concentrations being
corroborated by a Pearson coefficient of correlation equal to 0.85 in MS5 station.
Therefore, in order to monitor urban environmental pollution in Santiago, following
the guideline of the Chilean Ministry of Health, which indicates that both PM2.5 and
PM10 must be considered, we propose to use a methodology based on np and
bivariate statistical control charts. This methodology allows us, on the one hand,
to determine the number of times that the Chilean guidelines for PM2.5 and PM10
are exceeded each hour of the day and, on the other hand, to monitor PM10 and
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Fig. 2 Scatterplot and correlation between PM2.5 and PM10 concentrations with
PM2015MS5 data
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PM2.5 concentrations simultaneously, predicting critical periods of contamination
adequately.

We use the methodology proposed in Sect. 3 to monitor PM pollution in
Santiago, Chile. This methodology was implemented by the authors in a computa-
tional routine in R, a noncommercial and open-source software for statistical com-
puting and graphs, which may be secured at no cost from http://www.r-project.org.
The R software is currently very popular in the international scientific community
and is one of the more used around of world. We carry out an exploratory data
analysis for PM2015MS5. Table 1 provides descriptive statistics for each variable,
including minimum and maximum concentrations, central tendency statistics, stan-
dard deviation (SD), and coefficients of variation (CV), skewness (CS), and kurtosis
(CK). This table shows empirical distributions with positive skewness, different
degrees of kurtosis, and a considerable amount of concentrations that exceed the
Chilean guidelines for PM2.5 and PM10, that is, 50 μg/Nm3 and 150 μg/Nm3,
respectively. Note that the exploratory analysis for each variable indicates marginal
Birnbaum-Saunders or Birnbaum-Saunders-t distributions that seem to be good
candidates for describing PM2015MS5 data.

4.3 Univariate and Bivariate Control Charts

To calculate the control limits in Phase I, we utilize data for the months of January
and February of 2019 with k ¼ 59, n ¼ 24, N ¼ 1416, B ¼ 10,000 (bootstrap
replications) and FAR η ¼ 0.0027. We use these months since their air quality is
stable (i.e., assumed as an in-control process), because the meteorological and
topographical conditions favor no saturation of PM concentrations. We consider
the degrees of freedom parameter v ¼ 4 for the Birnbaum-Saunders-t distribution
according to the robustness aspects mentioned in Marchant et al. (2016a). Note that
this parameter v allows us accommodate outliers suitably.

Figure 3a, b displays the theoretical probability versus empirical probability
(PP) plots with acceptance bands for a significance level of 1% in MS5 station

Table 1 Summary statistics
for data sets in study

Statistic

Phase I Phase II

PM2.5 PM10 PM2.5 PM10

n 1416 1416 744 744

Minimun 3 10 1 3

Mean 19.08 54.75 34.77 60.62

Median 18 51.5 29 47

Maximun 76 214 216 350

SD 8.68 24.13 26.33 50.15

CV 45.49% 44.06% 75.73% 82.73%

CS 1.78 1.304 2.04 1.9

CK 5.55 3.61 7.83 4.62
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based on bivariate Birnbaum-Saunders and bivariate Birnbaum-Saunders-t distribu-
tions, respectively. From this figure, we confirm the good fit of the bivariate
Birnbaum-Saunders and bivariate Birnbaum-Saunders-t distributions to the data in
Phase I, which is supported by the p-values 0.4419 and 0.5839, respectively, of the
Kolmogorov-Smirnov (KS) test associated with these PP plots (Marchant et al.
2016a). To monitor air quality of August 2015 in Phase II, we employ bivariate
Birnbaum-Saunders and np univariate Birnbaum-Saunders charts. For bivariate
Birnbaum-Saunders-t charts, we use the LCL and UCL obtained in Phase I summa-
rized in Algorithm 5. For the control chart of this month, the number of subgroups
and the subgroup size are r ¼ 31 days and n ¼ 24 h, respectively, giving a total of
744 observations. Furthermore, we use the transformed MD with the Wilson-
Hilferty approximation to obtain a normal distribution and then to assess the fit of
the most appropriate distribution to these data. For details about the Wilson-Hilferty
approximation, see Marchant et al. (2016a, b).

Figure 4a, b displays the PP plots with acceptance bands for a significance level of
1% in MS5 station based on bivariate Birnbaum-Saunders and Birnbaum-Saunders-t
distributions, respectively. From this figure, the Birnbaum-Saunders-t distribution
has a better fit than the Birnbaum-Saunders distribution to the data in Phase II, which
is supported by the p-values 0.609 and 0.3091, respectively, of the KS test associated
with these PP plots (Marchant et al. 2016a). Due to such a situation, we continue this
study only with the Birnbaum-Saunders-t distribution because of its robust estima-
tion of parameters and the good fit to these data.

Figure 5 shows the bivariate Birnbaum-Saunders-t control chart for PM2015MS5
data. From this figure, it is possible to observe that there are no out-of-control
episodes during this month, when considering the joint behavior of PM2.5 and
PM10 concentrations. This type of chart is appropriate when there is a high corre-
lation between the concentrations of PM2.5 and PM10 such as in our case; see Fig. 2.
In addition, to monitor the number of times that the Chilean guidelines for PM2.5
and PM10 are exceeded each hour of the day of August-2015 in Phase II, we employ

Fig. 3 PP plots in Phase I for bivariate Birnbaum-Saunders (left) and Birnbaum-Saunders-t (right)
distributions with PM2015MS5 data
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the univariate Birnbaum-Saunders np-chart. For the univariate chart of this month,
the number of subgroups and the subgroup size are the same as for the bivariate
chart.

Figure 6a, b shows the np Birnbaum-Saunders control charts for PM2.5 and
PM10 concentrations, respectively. From this figure, it is possible to observe that the
concentrations of PM2.5 exceed the Chilean guidelines much more than those of
PM10. This occurs specifically in the first days of the month of August, where the
Chilean guidelines are exceeded more than 15 times during a day, considering a
maximum of 24 observations each day. Such a situation is highly detrimental to
health as consequence of breathing air with high concentrations of PM, especially
PM2.5, as mentioned in Sects. 1 and 2.

Fig. 4 PP plots in Phase II for bivariate Birnbaum-Saunders (left) and Birnbaum-Saunders-t (right)
distributions with PM2015MS5 data
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Fig. 5 Bivariate Birnbaum-
Saunders-t chart for August
2015 with
PM2015MS5 data
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4.4 Big Data, Analytics Results, and Its Connection
to Data-Driven Decision-Making

Current technologies, such as computer-based transactions, digital instruments, and
sensors, allow us to generate large-scale data from different processes. These data
may be collected efficiently, rapidly, and automatically and are frequently available
online for decision-makers and analysts access. This is known as big data, a term
often employed to describe large, diverse, and complex (structured and
non-structured) data sets, which have high volume, variety, and velocity in their
generation, otherwise known as the 3Vs (Baesen 2014; Dietrich 2015). Such a
situation results in enormous opportunities for data-based knowledge discovery,
and it is expected that the importance of data science will continue to increase in
the future, becoming relevant for researchers in diverse areas who will be ready to
exploit new opportunities for data-driven decision-making. In this new big data era,
many methodologies need to be updated, as, for example, control charts (Aykroyd
et al. 2019), where big data sources are providing new avenues for such charts
because of continuous monitoring in diverse fields.

Control charts have primarily been used to monitor industry processes (Mont-
gomery 2009), but recently, these methodologies are also being used to monitor
service processes, such as banking and finance, distribution of electrical energy,
public transportation, and retail (Aykroyd et al. 2019). Furthermore, control charts
have also been used in education, government policies, healthcare, and marketing.
The use of control charts in environmental monitoring processes is currently limited,
but we expect it may become a popular alternative in the big data era.

The data-driven methodology proposed in this paper, based on tools of control
charts for environmental monitoring, shows a good performance when assessing air
quality, particularly when two correlated statistically variables are considered. The
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Fig. 6 np Birnbaum-Saunders chart for August 2015 for PM2.5 (left) and PM10 (right) concen-
trations with PM2015MS5 data
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analytics results obtained with our methodology are consistent with the official
information of the Chilean Ministry of the Environment for PM10 (https://bit.ly/
2W2jb1V). Specifically, there is an agreement between the critical episodes empir-
ically detected with our methodology based on the robust bivariate Birnbaum-
Saunders control chart and those verified by the Chilean Health Authority, that is,
if our methodology were used, the same environmental decision made by the
authority would be established. Note that joint analysis of PM10 and PM2.5
concentrations permits us to monitor air quality using one model, instead of
employing two models as currently applied to perform this monitoring. With the
current model, the interaction and/or dependence of the PM10 and PM2.5 is not
considered. In addition, this data science tool helps to prevent and/or adequately alert
the population about possible critical episodes of air contamination, providing
support to regulatory decision-making when appropriate mitigation measures are
needed, such as the prohibition of outdoor physical activities or domestic coal or
firewood burning or restrictions on the use of internal combustion vehicles.

5 Summary

Airborne particulate matter pollution is a serious environmental problem. We pro-
pose that monitoring of air quality may be achieved by employing data analytics to
generate information within the context of data-driven decision making to prevent
and/or adequately alert the population about possible critical episodes of air con-
tamination. In this paper, we propose a methodology for monitoring particulate
matter pollution in Santiago of Chile, based on bivariate quality control charts and
an asymmetric distribution. A case study with real particulate matter pollution from
Santiago is provided, which shows that the methodology is suitable to alert early
episodes of extreme air pollution. The results are in agreement with the critical
episodes reported with the current model used by the Chilean health authority.

6 Conclusions

In this work, we have proposed and implemented a methodology based on bivariate
control charts with heavy-tailed asymmetric distributions. These distributions have a
theoretical support and can be applied to atmospheric environmental data. This
methodology is useful for monitoring environmental risk when the particulate matter
concentrations follows bivariate Birnbaum-Saunders or Birnbaum-Saunders-Stu-
dent-t distributions. We have illustrated the proposed methodology with a case
study of real-world data of air quality in Santiago, Chile. This case study has
shown that the new methodology is useful for alerting episodes of extreme urban
environmental pollution, allowing us to prevent adverse effects on human health for
the population of Santiago. We have empirically demonstrated an agreement
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between our methodology and real-world situations, as when the Chilean health
authority detected environmental critical episodes and dictated environmental alert,
pre-emergency, and emergency in Santiago, Chile.

The random variables to be modeled, related to PM2.5 and PM10 concentrations,
correspond to an aggregation of a great amount of compounds, which are adsorbed
on a solid or liquid surface in the atmosphere. Depending on the diverse composition
of these particles, they can show different reactivity and balance between their
degradation and production processes. Sometimes these particles show seasonal
time dependence, or if the sources vary, their concentration may also vary, such as
when drastic measures are taken to reduce their emissions. Therefore, a limitation of
this study is not considering time series components in the modeling, which is an
open problem to be conducted in future research (Decanini and Volta 2003; Querol
et al. 2004; Kessler et al. 2010). Regarding this, we must mention that PM2.5 and
PM10 levels are considered simple dilutions and concentrations in the air masses,
without taking into account factors such as composition, chemical reactivity,
production-degradation equilibrium, and evolution over time of these quantities. In
particular, the chemical reactivity of these compounds obeys to different kinetic
processes of formation and degradation, described in detail by Sander et al. (2006).
Thus, this last aspect is also an open issue to be considered in a future study.
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1 Introduction

Atmospheric pollution is the lasting presence in the air of chemical substances at
concentrations above their natural levels, which could potentially lead to adverse
effects. One of its sources is anthropogenic activities, including industrial generation
of volatile compounds that are emitted into the air. The World Health Organization
(WHO) has labelled air pollution as the “silent killer” as it estimates that 4.2 million
deaths every year are a result of poor air quality (https://www.who.int/airpollution/
en/). People are very aware of risks imposed to their health by breathing polluted air,
especially those that live in or around industrial areas. In many parts of the world,
lack of updated air quality guidelines and/or poor industry compliance with existing
guidelines may lead to peak concentrations of contaminants in air, inducing acute
events of respiratory and cardiovascular diseases in exposed populations (Logan
1953; Franck et al. 2014, 2015; Pothirat et al. 2019), further enhancing risk percep-
tion of toxicity linked to contaminated air exposure.

During the flowering seasons of various wind-pollinated species (e.g., various
tree species in spring time, grasses in summer, and Cedrus even in autumn), people
may notice yellow dust deposited on streets, roofs, and other surfaces. Very often,
the yellow deposits appear as fine dust easily blown over by wind, or, if enough
humidity is present, such as mist or rain, the deposits may acquire an oily, water-
insoluble, paste-like fluid appearance (Fig. 1), even forming a film on the surface of

Fig. 1 Appearance of the yellow dust deposition in water bodies around the city of Valparaíso,
Chile. It is actually Acacia dealbata pollen which is seen in full bloom in both pictures. Images
taken by Rodrigo Silva-Haun on August, 2019
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water flows such as creeks, rivers, or lakes. If this phenomenon happens in areas with
industrial activity, people may think the yellow dust is sulfur. However, sulfur
compounds produced during combustion of fossil fuels are usually emitted into
the air as sulfides or oxides, and it is chemically impossible for these compounds to
become solid sulfur under environmental conditions. In reality, the yellow dust is
pollen.

Over 100 years ago, scientists communicated this misunderstanding in nature,
after events occurring simultaneously in England, Scotland, and the United States
(Carpenter 1879; Wilson 1879), and an even earlier letter was published in 1847
about events in Canada and other parts of the world (Croft 1847–1848). Recently, we
had such an event in Central Chile, which, due to lack of scientifically correct
communication, led to intense debate in communities, media, and even authorities.
Based on simple observations, it is virtually impossible to differentiate sulfur from
pollen, so we suggest risk communicators have to be aware of their chemical,
biological, and toxicological differences. No recent reviews about the distinctions
of sulfur and pollen are found in the literature, so here we review chemical,
biological, and toxicological aspects of sulfur and pollen in order to provide a
scientific basis for risk communication.

2 Sulfur

2.1 Sulfur Properties

Elemental sulfur (Fig. 2) is a relatively nontoxic and chemically inert substance,
insoluble in water and most other liquids, but soluble in carbon disulfide and other
nonpolar organic solvents, such as benzene and toluene. Is a crystalline solid at room
temperature and reacts with all elements except for gold, platinum, iridium, nitrogen,
tellurium, iodine, and the noble gases (Wiberg and Wiberg 2001). It forms cyclic
octatomic molecules, which usually occurs in the form of eight-membered rings and
is denominated with the chemical formula S8 (Mokhatab et al. 2018). Octasulfur is a
soft, bright-yellow solid with only a faint odor, similar to that of matches. Sulfur
forms over 30 solid allotropes, more than any other element (Steudel and Eckert
2003). Several other rings are known; however, S8 is the most stable (Steudel 1982).
For example, removing one atom from the crown of the S8 structure produces a
compound with chemical formula S7, which is more deeply yellow than S8. In this
context, an analysis by high-pressure liquid chromatography (HPLC) of elemental
sulfur reveals an equilibrium mixture of mainly structure type S8 with small amounts
of structures type S7 and S6 (Tebbe et al. 1982).

The main crystalline types are rhombic and monocyclic, and these two forms
differ in the way in which the rings are stacked (Greenwood and Earnshaw 1997).
Rhombic sulfur is the most stable form of the element at room temperature, but if
heated to about 95�C, it changes into monocyclic crystals. During this slow transi-
tion, the solid shrinks and cracks, making it rather friable (Greenwood and Earnshaw
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1997). Elemental sulfur occurs naturally as the element (native sulfur) but most
commonly occurs in combined forms as sulfide and sulfate minerals, which can be
found near hot springs and volcanic regions in many parts of the world, especially
along the Pacific Ring of Fire (Rickwood 1981; Klein and Hurlbut 1985).

At any given time, most of the sulfur is found in the lithosphere, although the
atmosphere, hydrosphere, and biosphere are the systems where most transfer of
sulfur takes place (Charlson and Anderson 1992). In the lithosphere, sulfur occurs
abundantly throughout the earth’s crust at an average concentration of about 0.1%
(Brown 1982) mainly in volcanic sites, salt domes, petroleum, natural gas, and fossil
products.

2.2 Sulfur Cycle

The sulfur cycle transfers enormous amounts of this biologically important element
through the atmosphere every year. Biogeochemical and geochemical processes
occurring in soils, sediments, and water play a vital role in the natural circulation
of sulfur between the oceans and landmasses, via the atmosphere and in rivers
(Brown 1982). These processes control the rate at which the element is locked up
in insoluble forms such as pyrite and organic sulfur or mobilized as soluble sulfate or
volatile hydrogen sulfide (H2S) or organic sulfides.

In general, the sulfur cycle begins with the erosion of sulfate (evaporites) and
sulfide containing rocks and minerals (Aneja and Cooper 1989; Moreno et al. 2009;
Brimblecombe 2013). This is a process that releases stored sulfur into the air where it
becomes sulfate (SO4

�2) which is taken up by plants and microorganisms that

Fig. 2 Elemental sulfur
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convert it into organosulfur compounds. Plants and animals consume the organic
sulfur moving this element up through the food chain. As plants and organisms die,
some of the sulfur is released back into the environment as sulfate. On the other
hand, the breakdown of vegetation in swamps and tidal flats releases hydrogen
sulfide (H2S) gas into the environment, which later converts back to sulfate in
aqueous environments (Luo 2018). The other major natural contributors to the sulfur
budget in the environment are volcanoes. Their fumarolic activity introduces SOx

(SO2, SO3) and hydrogen sulfide gases to the atmosphere, which eventually convert
to sulfate ions in water and precipitate as alkali sulfate salts.

The amount of sulfur in the atmosphere at any given time is small, even though
the fluxes are large, because the lifetime of most sulfur compounds in air is relatively
short (e.g., days). Sulfur in the ocean is cycled much more slowly, and the primary
interactions in that cycle are with the solid earth. However, because of the presence
of sulfur in fossil fuels and in metal sulfide deposits, environmental contamination
by sulfur compounds has increased with the use by man of these raw materials.

2.3 Main Sulfur Oxidation States

Sulfur has an atomic number of 16, an atomic mass of 32, 4 oxidation states (�2, +2,
+4 and +6), and 4 naturally occurring isotopes (32S, 33S, 34S and 36S), of which 32S is
most abundant at 95% of the mass (Canfield 2001). Sulfur primarily occurs in four
oxidation states in geological environments: S�2 (sulfides, sulfosalts, natural gas), S0

(elemental sulfur), S+4 (SO2 in volcanic gas), and S+6 (SO3 in volcanic gas)
(Schippers 2004).

2.3.1 Sulfides and Hydrogen Sulfide

Sulfides

Sulfides include three classes of compounds, inorganic sulfides, organic sulfides
(sometimes called thioethers), and phosphine sulfides. Among them, the inorganic
sulfides are ionic compounds containing the negatively charged sulfide ion, S�2,
which may be regarded as salts of the very weak acid hydrogen sulfide (H2S).
Organic sulfides are compounds in which a sulfur atom is covalently bonded to
two organic groups, and the phosphine sulfides are formed from the reaction of
organic phosphines with sulfur, in which the sulfur atom is linked to the phosphorus
by a bond that has both covalent and ionic properties (Luther et al. 1986).

Sulfides are characterized by a very unpleasant odor, and they constitute a serious
threat to the equilibrium of the entire ecosystem, mostly due to their acidic proper-
ties. Thus, sulfides cause surface water acidification, negatively affecting the fauna
and flora. They are also responsible for the corrosion of metal and concrete elements
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and the substantial depletion of water oxygenation, causing irreversible environ-
mental damages (Gagol et al. 2019).

Sulfides minerals are very important as they concentrate a wide range of metals as
mineable deposits. Several hundred sulfides minerals are known, but only few are
sufficiently abundant to have been categorized as rock forming (Bowles et al. 2011)
which includes pyrite (iron sulfide), pyrrhotite (iron sulfide), galena (lead sulfide),
sphalerite (zinc sulfide), and chalcopyrite (cupper and iron sulfide). The industry of
these minerals is responsible for the concentration of a wide range of metals, which
are also potential sources of pollution of air, surface waters, or soils.

Water contamination can arise from several sources of the sulfide mining indus-
try, for example, the removal of earth and vegetation at the mining site causes
erosion and sedimentation (US Environmental Protection Agency 2004). The ero-
sion or blowing of tailings can also be a source of toxic sedimentation or even other
waste materials such as leaching chemicals (which are toxic) or other processing
chemicals of this industry (Ochieng et al. 2010; Ninga et al. 2011; Gyamfia et al.
2019).

The acid mine drainage process may cause soils near mine site or within the mine
pit to become acidic (Bohan et al. 2005). Additionally, sediments downstream of
mine sites often contain high levels of heavy metals. In the case of air pollution
resulting from sulfide mining, these can include dust emissions from mine pits, dried
tailings, haul roads, and in some cases the sulfur dioxide emissions from stacks at
smelters (Aboka et al. 2018).

Hydrogen Sulfide

Hydrogen sulfide is a pollutant that is commonly regarded as toxic and to low
concentrations is easily recognizable by its characteristic foul odor much like rotten
eggs (Bhomick and Rao 2014). Approximately 90% of hydrogen sulfide present in
air comes from decomposition of dead plants and animals, especially when this
occurs in wet conditions with limited oxygen, such as swamps (US Environmental
Protection Agency 1993). Hot springs, volcanoes, and other geothermal sources also
emit H2S. The hydrogen sulfide remains in the atmosphere for approximately 1 day
in the summer and 42 days in winter and is then converted to sulfur dioxide and
sulfuric acid in a hydroxyl radical catalyzed reaction (Bottenheim and Strausz 1980).

On the other hand, anthropogenic releases of H2S into the air result from
industrial processes, primarily from the extraction and refining of oil and natural
gas, geothermal power plants, coke ovens, food processing facilities, tanneries, and
pulp or paper. While H2S is primarily released in the gaseous form, it can also be
found in liquid waste related to industrialization (Maebashi 2011). Petroleum oil and
natural gas are the products of thermal conversion of decayed organic matter (called
kerogen) that is trapped in sedimentary rocks. High-sulfur kerogens release hydro-
gen sulfide during decomposition, and this H2S stays trapped in the oil and gas
deposits. On this matter, between 15% and 25% of natural gas in the United States
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may contain hydrogen sulfide, while worldwide, the figure could be as high as 30%
(Dalrymple et al. 1991).

For commercial purposes, H2S is used to produce sulfur through the Claus
process (Fig. 3), using the reaction between hydrogen sulfide and sulfur dioxide
(produced in the Claus process furnace from the combustion of H2S with oxygen or
air/oxygen) yielding elemental sulfur and water vapor (Sassi and Gupta 2008; Zarei
2018) and, subsequently, sulfuric acid (H2SO4) by the contact process (King et al.
2013).

2.4 Sulfates

Sulfur enters the atmosphere principally as sulfur dioxide (SO2), an air pollutant with
a lifetime of about 1–2 days, before it is normally deposited or oxidized into sulfate
(SO�4). After oxidation, lifetime increases to 3 or more days, depending on the state
of the atmosphere and the injection height. Because of its longer lifetime, sulfate can
be spread over greater distances (Giannoni et al. 2014).

Sulfate is especially a problem where acidic soils and mine tailings are periodi-
cally affected by drought and rain and in places where sulfuric acid is used to process
the ore and mineral concentrates. Sulfate may enter to the surface and groundwater
through industrial sources as the discharge or disposal of sulfate-containing tailings
or seepage from acidic tailings ponds (Bussière et al. 2004; Geurts et al. 2009). In
this context, the irrigation water containing high concentrations of sulfate could
generate white nontoxic stains on the leaves and fruits of trees (Little et al. 2000).

2.5 Sulfur Oxides

Around 75% of the sulfur emitted into the atmosphere is related to the use of fossil
fuels and activities of the metallurgical industry. It has been estimated that during
combustion processes, approximately 90% of the sulfur contained in petroleum and
its derivatives is emitted into the atmosphere in the form of sulfur dioxide (SO2)
(Monticello 2000). These fuels are mainly used in motor vehicles and thermoelectric
plants, and the annual release into the atmosphere of SO2 has been estimated to be
approximately 2 tons (Doney et al. 2007).

Fig. 3 The Claus process which uses the reaction between hydrogen sulfide and sulfur dioxide to
yield elemental sulfur and water vapor
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SO2 produced from the combustion of oil is transformed into SO3 by the action of
sunlight, and in the presence of air, humidity generates sulfuric acid (H2SO4) (Huang
et al. 2019). This compound generates a rain of acidic pH which enters the “water
cycle,” depresses the pH of the lakes with low buffer capacity, and endangers the
marine life (US Environmental Protection Agency 2004). It can be transferred to
soil, damage the foliage, and affect flora and fauna. As air streams transport SO2, it
can be produced in one area and show its adverse impacts in another remote place
thousands of kilometers away from where it was produced. SO2 also causes corro-
sion of building materials, pipes, and circuits, but the greatest deterioration is that
which occurs in historical monuments (Xie et al. 2004), mainly those made of
limestone and marble. This bears not only a high economic cost to society but also
a huge loss in cultural heritage (Soleimani et al. 2007).

3 Pollen

Pollen grains represent the highly reduced haploid male gametophyte generation in
flowering plants, consisting of just two or three cells inside individual pollen grains
when released from the anthers (Borg et al. 2009).

3.1 Biology of Pollen

Pollen grain consists of two cells: the vegetative and the generative cell. Ultimately
the generative cell forms two sperm cells or male gametes (Fig. 4). The mature
pollen wall of gymnosperms and angiosperms consists in principle of two funda-
mentally different layers, the complex, thick, sporopolleninous exine and the homo-
geneous, thin, single-layered pectocellulosic intine (Pacini and Hesse 2012). The
size and morphology of the pollen grains vary according to species, genus, or family.
In most species, the length of the polar axis, the equatorial axis, and tetrad diameter

Fig. 4 Pollen development and nomenclature
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vary according to species (Fig. 4). In most species the pollen wall is interrupted by
apertures, which are areas generally characterized by a thinning of the exine and a
thickening of the intine (Albert et al. 2010) (Fig. 4). Mature pollen is shed in
dispersal units. When the postmeiotic products become separated, the dispersal
unit is a single pollen grain, a monad, which can also become partly separated or
remain permanently united, resulting in dyads, tetrads, or polyads (Halbritter et al.
2018).

3.2 Pollen Release

Pollination describes the process of transferring pollen grains from the male anther
of one flower to the female stigma of a different flower. Once in contact, pollen
develops a pollen tube that acts as a passageway for the sperm into the ovary. Thus,
the ovule is fertilized as the first step for seed production (Pacini 2008).

For pollination to occur, pollen needs to be released from the anthers and then
dispersed by rain, air currents, and insects. For many tree species, such as pine trees,
this process results in the liberation of thousands of pollen cells at a time, creating a
mist or cloud that can easily be seen with the naked eye (Fig. 5). Plants have
developed strategies for their pollen to successfully reach female flowers. For
instance, pollen from certain pine trees has an air sac, which renders pollen very
light and easy to be carried by the wind (Jones and Harrison 2004). Wind pollination
is very unpredictable, and there is a clear tendency for wind-pollinated species to
produce much more pollen than species relying on insect pollination (Moore et al.
1991). Therefore yellow dust often will consist of pollen produced by wind-
pollinated species.

Fig. 5 Pollen release from a pine tree. Photograph by Jon Houseman, distributed under a CC-AS
4.0 license
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Meteorological factors affect both pollen release and dispersal and pollination.
Those factors that modulate release and dispersal may also be determining the
amount of pollen that reaches urban surfaces. For instance, high temperature dam-
ages flowers and pollen, while low temperature may slow pollen release; rain and
mist purge pollen from air, especially at low temperature; air currents and wind
disperse pollen and facilitate flower opening and anther dehydration which is
necessary for pollen release; and atmospheric pressure facilitating ascending air
currents favors long distance dispersal, while descending air currents facilitate pollen
fallout (Jones and Harrison 2004; Pacini 2008).

3.3 Pollen Identification

There is no simple manner to correctly identify and differentiate pollen from sulfur.
To the naked eye, they are both yellow and have a similar fine powder appearance.
They both float on top of water, and both are water-insoluble. Sulfur has a distinct
match-like odor which could help in guiding their differentiation. However, this odor
could be difficult to perceive in urban settings, especially when the yellow powder
mixes with soil or water.

Pollen identification and characterization can only be performed by observing a
sample under the microscope. Even for people who are not trained in microscopy –

the organic particles with a uniform morphology (most of them are rounded to
ellipsoidal) that are responsible for the yellow dust deposition would be recognizable
as pollen grains. However, an exact identification of pollen grains could require the
participation of a trained palynologist. In Fig. 6 we show the habitus and pollen of
Acacia dealbata collected on September 11, 2011 in El Olivar, Viña del Mar
(�33.032�, �71.496�, Chile). Under the light microscope, we found polyads char-
acteristic of this species which blooms profusely and releases a lot of pollen during
late winter and early spring.

Fig. 6 Habitus and pollen of Acacia dealbata. Bar ¼ 20 μm
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4 Toxicology

4.1 Sulfur and Sulfur Compounds

Most acute health effects of airborne sulfur compounds – especially sulfur dioxide
and hydrogen sulfide – are related to their irritant capacity of ocular and respiratory
tract mucosa. At low doses, the manifestations include cough, sneezing, conjuncti-
vitis, and lacrimation, while at higher exposure, symptoms worsen and may include
bronchospasms, difficulty in breathing, and pulmonary edema (Komarnisky et al.
2003; Borron and Bebarta 2015; Guidotti 2015). In addition, hydrogen sulfide acts as
a potent neurotoxicant and may render a person unconscious in a matter of few
minutes (Guidotti 2015).

SO2 has been shown to be the cause of sulfate aerosol formation with an average
diameter of 2.5 μm which can be transported into the lungs and cause respiratory
illnesses. Chronic effects of sulfur dioxide may provoke symptoms such as corneal
inflammation (keratitis), difficulty in breathing, airway irritation, eye irritation due to
the formation of sulfuric acid on mucous membranes, psychic disturbances, pulmo-
nary edema, cardiac arrest, and circulatory collapse (World Bank Group 1999; Liu
et al. 2009). It has also been linked to asthma and chronic bronchitis, increasing
morbidity and mortality in older adults and children (Gong et al. 2001). In fact, SO2

was an important risk factor for the thousands of deaths resulting from the December
1952 air pollution London disaster (Logan 1953).

Since the yellow dust we describe in this article is pollen and not sulfur, none of
these effects are relevant in case of exposure.

4.2 Pollen

Pollen allergens are one of the main causes of type I allergies affecting up to 30% of
the population in industrialized countries (Pablos et al. 2016). Susceptibility of
people to pollen allergens vary according to plant species. However grass pollen
(family Poaceae) is one of the main causes of allergy in the world, followed by tree
species including birch (Betula), olive (Olea), cypress (Cupressus), oriental plane
(Platanus), and weeds (D’Amato et al. 2007; Xie et al. 2019).

Pollen grains store allergenic proteins and glycoproteins in their cytoplasm. These
proteins probably serve biological and physiological functions in pollen cells such as
profillins which control actin polymerization in cells (Garcia-Mozo 2017). Upon
pollen rehydration, these proteins are readily expelled through the apertures (Fig. 4)
and remain on the surface of pollen grains (Grote et al. 2001; Akio et al. 2006). If
pollen is breathed in, these water-soluble proteins are capable of fastly evoking an
allergic reaction mediated by IgE, the clinical manifestations of which include ocular
pruritus, coryza, sneezing, nasal or pharyngeal-palatal pruritus, and nasal
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obstruction. Bronchial hyper-reactivity with associated asthma may be present in
15–20% of patients (Akio et al. 2006).

Global climate change in combination with air pollution may lead to a change in
concentration and distribution of pollen, as plants are subjected to higher environ-
mental stress which in turn may lead to higher pollen production (Garcia-Mozo
2017). This is a matter that should be considered by allergy-prone people.

5 Suggestions for Risk Communication

Risk communication about air pollution is a matter of high importance. It also
includes the correct differentiation of sulfur from pollen in events of yellow dust
deposition on urban surfaces. A quick search in Internet using keywords such as
“sulfur shower,” “sulfur rain,” “pollen storm,” or “pollen floats” can lead to educa-
tional sites which correctly explain the process of pollen release and dispersal. We
further summarize the distinction between sulfur and pollen in the following brief
sentences:

1. Sulfur is released into the air by natural processes as well as anthropogenic
industrial activities. In this last case, sulfur compounds are mainly produced by
combustion of fossil fuels and mining of mineral deposits.

2. Sulfur is released into air under the form of sulfur dioxide and hydrogen sulfide.
In the presence of sunlight and air humidity, these compounds can be further
oxidized to generate sulfuric acid.

3. The production of solid yellow sulfur from volatile sulfur dioxide, hydrogen
sulfide, or sulfuric acid is impossible at environmental conditions.

4. Sulfur toxicity from exposure to these volatile compounds results from their
oxidant capacity. They are strong irritants to biological tissues such as the eye
and respiratory mucosa.

5. Since the yellow dust is pollen and not sulfur, no irritation should be expected if
exposed.

6. Pollen is an evolutionary means for plant reproduction. It is released from male
flowers so that insects may carry it to female flowers. Some species – especially
those that are wind-pollinated, such as birch (Betula), pine (Pinus), and alder
(Alnus) – may release high quantities of pollen into the air.

7. The main toxicity risk from pollen deposition is the induction of allergies.
Susceptible people should be aware of pollen concentrations in their cities as a
precautionary measure.
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6 Conclusion

The occurrence of yellow dust deposition on urban surfaces may induce a false
perception of risk exposure to sulfur, when in fact the phenomenon is due to pollen
release from trees. Based on simple observation without using a microscope, it is
virtually impossible to differentiate sulfur from pollen, so risk communication
should consider the chemical, biological, and toxicological aspects of these agents.
In this review, we suggest messages that risk communicators may use when
explaining the phenomenon to their communities.

7 Summary

Urban yellow dust deposition is a common phenomenon in many parts of the world,
which is sometimes called “sulfur shower,” “sulfur rain,” or “pollen storm.” Some
people may believe the “yellow powder” is a serious threat to their health. Based on
simple observations, it is virtually impossible to differentiate sulfur from pollen, so
risk communication should consider the chemical, biological, and toxicological
aspects of these agents. In this review, we clarify that the yellow dust is actually
pollen, and we explain that it is chemically impossible for gaseous sulfur to become
solid yellow sulfur under normal environmental conditions.
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1 Introduction

Worldwide freshwater resources are under increasing stress, with a mismatch
between demand and availability of water resources across both temporal and
geographical scales (IWA 2018; UN-Water 2018). The main causes of freshwater
resources being under stress are interlinked and include changes in water availability
due to climate change, increases in water withdrawal for food security, and other
economic activities. This was also analyzed with different socio-economic pathways
indicating an increased global water withdrawal between 12 and 29% for 2050
compared to 2010 (Bijl et al. 2018), which will enhance prolonged dry periods
(Chen et al. 2018). Increase in agricultural irrigation is currently one of the main
global threats accounting for 69% of freshwater withdrawal (FAO 2016). This is not
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only an issue for arid regions with low rainfall and high population density that are
prone to increasing water stress; also temperate areas with intense agriculture suffer
from frequent non-potable freshwater shortages (Massoud et al. 2018; Voulvoulis
2018). Therefore, alternative water resources are explored in order to meet the
current and future water demand.

Sewage treatment plant (STP) effluent may provide such an alternative freshwater
source. Agricultural STP effluent reuse can compensate water shortages caused by
seasonality or by irregular availability of other water sources for crop irrigation
throughout the year. Furthermore, STP effluent contains many nutrients such as
nitrogen, phosphorus, and potassium that can be used as fertilizer and save the cost
of crop production (Jaramillo and Restrepo 2017). Irrigation with STP effluent is
already used widespread, particularly in regions such as the Middle East, South and
North Africa, and other Mediterranean countries, where the availability of freshwater
is limited (Faour-Klingbeil and Todd 2018; FAO 2016; Khalid et al. 2018). More-
over, STP effluent is currently discharged in large volumes to surface water,
including its contaminants of emerging concern (CoECs), such as pharmaceuticals,
metabolites, antimicrobial-resistant bacteria, and resistance genes (Council of the
European Communities 2000). The load of these contaminants to surface water may
however be reduced, due to soil passage and related sorption and (bio)transformation
processes (Ghattas et al. 2017).

Controlled drainage systems allow to both prevent waterlogging and retain
groundwater within agricultural parcels; groundwater levels and soil moisture con-
ditions can be actively controlled (Ayars et al. 2006). Adding water to such a system
turns it into an infiltration system, which is called sub-surface irrigation (SSI). The
goal of SSI is to raise the groundwater level and improve the soil moisture conditions
for plant growth through capillary rise. SSI systems can supply STP effluent to crops
while the soil is used as a filter and buffer zone. Two major advantages that SSI via a
controlled drainage system may have compared to sprinkling irrigation are that
(1) there is no direct contact between fieldworkers and STP effluent lowering
human health risks and (2) SSI could make optimal use of soil processes that
minimize environmental occurrence and dispersion of CoECs (Hamann et al.
2016; Nham et al. 2015; van der Waals et al. 2018). Nevertheless, there are
uncertainties concerning the environmental and public health implications which
are associated with the reuse of STP effluent for SSI in agriculture. These are
knowledge gaps pertaining (1) the fate of a broad range of CoECs during soil
passage under field conditions including their transformation products (Li et al.
2014; Petrie et al. 2018), (2) the extent to which the dispersion of the mixture of
CoECs is diminished and/or retained during SSI in agricultural fields (Christou et al.
2017a; Greskowiak et al. 2017), and (3) the adequate adaptation of current risk
assessment tools for assessing both the possible opportunities and limitations of STP
effluent water reuse (Baken et al. 2018; Christou et al. 2017b; Kase et al. 2018). The
aim of this review paper is to collate recent knowledge on the risk and opportunities
associated with the reuse STP effluent for sub-surface irrigation in agriculture. The
knowledge gaps listed above will be discussed and highlighted. Additionally the
policies and guidelines concerning non-potable water reuse on a global and

Natural Purification Through Soils: Risks and Opportunities of Sewage Effluent. . . 87



European level will be presented. Finally, the review is enriched with concluding
remarks and future perspectives of understanding the fate of CoECs in SSI with
special emphasis on contaminants removal.

2 Policies and Guidelines Concerning Non-potable Water
Reuse

2.1 Worldwide

At global level there are several guidelines, i.e., non-mandatory recommendations,
available concerning water reuse (Table 1). In 2006 the World Health Organization
(WHO) published guidelines on the safe use of wastewater, intended as a tool for
decision-makers and regulators to provide a consistent level of health protection in
different settings. The guidelines can be adapted for implementation under specific
environmental, sociocultural, and economic conditions at a national level (WHO
2006). The United States Environmental Protection Agency issued the last version of
the “Guidelines for Water Reuse” (USEPA 2012). These guidelines include a wide
range of reuse applications (e.g., agricultural irrigation and aquifer recharge) and
apply similar approaches as described by the WHO (2006) and the Australian
Government Initiative (2006) for controlling health and environmental risks. The
most recent global guidelines for STP effluent reuse in agricultural irrigation were
published in 2015 by the International Organization for Standardization (ISO 2015).
These ISO guidelines include water quality requirements for CoECs.

Remarkably, the State of California overtakes these global guidelines with
specific regulations for CoECs (California Water Boards 2019). Consequently,
these California water reuse regulations are being used as a global benchmark for
the development of water reuse regulations worldwide. Noteworthy, California
recently signed the Senate Bill No. 996 (Legislative Counsel Bureau 2018), which
encourages communities to reuse STP effluent on-site.

2.2 Europe

At European level the need to address management of water resources to prevent
scarcity and droughts was acknowledged in the EU’s Blueprint to safeguard
Europe’s water resources (Table 1). In this Blueprint the need to use STP effluent
as an alternative water resource for irrigation purposes is re-emphasized (European
Commission 2012). Six EU Member States (Cyprus, Greece, Spain, France, Italy,
and Portugal), all with (semi) Mediterranean climate, have requirements on water
reuse in place in national legislation or in non-regulatory standards (Joint Research
Centre 2017). Aquifer recharge (by surface spreading or direct injection) is only

88 D. M. Narain-Ford et al.



considered as a permitted use in Cyprus, Greece, and Spain (Drewes et al. 2017).
Many of the standards developed at Member State level have been informed by the
2006 WHOWater Reuse Guidelines (WHO 2006), the ISO guidelines on safe use of
STP effluent for irrigation use (ISO 2015), and regulatory approaches in other

Table 1 Directives, policies, and guidelines related to water reuse

Standards

Chemicalsa Pathogensb

Worldwide

Guidelines for the safe use of waste water, excreta and greywater.
Vol. II Waste water use in agriculture (WHO 2006)

- �

Guidelines for Water Reuse (USEPA 2012) � �
Guidelines for treated wastewater reuse (ISO 16075 2015) �c �c

Regulations Related to Recycled Water. Title 22, CDPH (2018)
(California). Draft amendment to the recycled water policy

�c �c

Europe

Directive Nitrates (1991/676/EC) (Council of the European
Communities 1991)

� -

Directive Urban Waste Water Treatment (1991/271/EC) (EEC
Council 1991)

� -

Directive Water Framework (2000/60/EC) (Council of the European
Communities 2000)

? ?

Regulation on the hygiene of foodstuffs (2004/852/EC) (European
Commission 2004)

- �

Regulation on laying down requirements for feed hygiene (2005/183/
EC) (European Parliament and the Council of the European Union
2005)

� �

Regulation on microbiological criteria for foodstuffs (2005/2073/EC)
(European Commission 2005)

- �

Regulation on maximum residue levels of pesticides in or on food and
feed of crop and animal origin (2005/396/EC) (European Parliament
and the Council 2005)

� -

Regulation setting maximum levels for certain contaminants in
foodstuffs (2006/1881/EC) (European Commission 2006)

� -

Directive on environmental quality standards in the field of water
policy in order to meet the environmental quality standards for
priority substances and certain other pollutants (2008/105/EC)
(European Commission 2008)

� -

Regulation Animal by-products and derived products (2011/142/EC)
(European Commission 2011)

- �

Directive Groundwater (2014/80/EC) (European Commission 2014) � -

x yes
- no
? inconclusive
aThe heading “Chemicals” of the column in this table refers to standard measured indicator
parameters such as biological oxygen demand (BOD), total suspended solids (TSS), and turbidity
bThe heading “Pathogens” of the column in this table refers to standard measured indicator
parameters such as E. coli, Legionella spp., and intestinal nematodes
cIncludes chemical contaminants of emerging concern or antimicrobial resistance
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countries (e.g., California, Australia, and Israel) but also by specific national con-
siderations such as environmental, sociocultural, and economic conditions.

In the Water Framework Directive (2000/60/EC) and the Urban Waste Water
Treatment Directive (91/271/ECC), treatment of STP effluent is encouraged when-
ever appropriate to remove nutrients and organic material. One of the main barriers
that the Blueprint recognizes for STP effluent reuse in the EU is a lack of common
standards. Existing EU instruments for water reuse are listed in Table 1, which do
not specify conditions for reuse. As the crops produced by SSI can be consumed by
both animals and humans, instruments related to food quality and animal feed are
also included in this table.

To overcome the abovementioned barrier, the Joint Research Centre (2017)
selected a risk management framework to establish minimum quality requirements
for water reuse in agricultural irrigation and aquifer recharge. The European Com-
mission recently proposed a European regulation on minimum requirements for
water reuse for irrigation (European Commission 2018). However, the proposed
regulation is generic and provides a few minimum requirements, focused on general
quality and public microbial health, but lacks minimum requirements for CoECs
(Rizzo et al. 2018).

3 STP Effluent Reuse in Agriculture

It is useful to differentiate between de facto or unintentional reuse and intentional
reuse. Both types of reuse can have significant socio-economic benefits but also
institutional challenges and risks which require different management approaches
(Rice et al. 2016).

3.1 De Facto or Unintentional Reuse

STP effluent is commonly indirectly reused in agriculture by irrigating with surface
water in which STP effluent was discharged (Drewes et al. 2017). Conventional
STPs are not optimized for the removal of CoECs, and their discharge will affect the
receiving surface water quality (Blum et al. 2018; Grill et al. 2016; Jaime et al. 2018;
Reemtsma et al. 2016; Sousa et al. 2017; Tran et al. 2018; van Wezel et al. 2018;
Yang et al. 2017). During times of normal flow, this impact is less significant, but
during low flow conditions with usually high irrigation demand, surface water can
consist primarily out of effluent (Drewes et al. 2017; Fekadu et al. 2019; Munz et al.
2016; Roberts et al. 2016; Yadav et al. 2017). High flow conditions may also favor
high impact of STP effluent, as during heavy rain sewer overflows will contribute to
surface water contamination (Ccanccapa et al. 2016; Roberts et al. 2016). Water
from these streams is in many cases directly applied to crops by sprinkler irrigation,
resulting in potential exposure to human pathogens and organic micropollutants
(Beard et al. 2019; Dulio et al. 2018; Munz et al. 2016; Schmitt et al. 2017; Thebo
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et al. 2017). For example, within the Llobregat river district (Spain), STP effluents
were estimated to contribute between 8 and 82% to the total river flow (Drewes et al.
2017).

The risk associated with de facto STP effluent reuse might not be properly
managed (Faour-Klingbeil and Todd 2018; Hong et al. 2018; Ncube et al. 2018;
Nguyen et al. 2018). Where stream flows vary and the use of irrigation water is
occurring only seasonally, the need to execute a comprehensive monitoring program
of irrigation water with high frequency for CoECs monitoring parameters might not
be obvious, feasible, or affordable. Therefore, to ensure the protection of human and
the environment adequately, guidelines and minimum quality requirements for STP
effluent are needed (Bieber et al. 2018; EurEau 2018; Rizzo et al. 2018; Sousa et al.
2017).

3.2 Intentional Reuse

Intentional reuse offers better control and management possibilities than de facto
reuse. Planned non-potable water reuse requires that the treated effluent water
quality is safe for crops and workers, and does not compromise local groundwater,
surface water, or soil quality.

Many non-potable reuse applications (e.g., agricultural irrigation; cooling water)
exhibit high seasonal dependencies, requiring either storage options or alternative
reuse practices during off-season (Chen et al. 2018). While significant attention has
been paid to more arid regions of the world, temperate climates also experience
seasonal irrigation water shortages (Beneduce et al. 2017; Faour-Klingbeil and Todd
2018; Gude 2017; Voulvoulis 2018). Multiple planned reuse applications around the
world demonstrated that the use of STP effluent for crop growth can be a safe
practice (García-Santiago et al. 2017; Jaramillo and Restrepo 2017; Tal 2016).
Intentional reuse has therefore become the norm in large parts of southern France,
Spain, Portugal, Italy, Greece, and Cyprus (Drewes et al. 2017). According to
Voulvoulis (2018), in 2006 2.4% of the total available treated effluent in the EU
was reused for non-potable applications. Spain accounted for about a third of this
(347 Mm3/year), and Italy used approximately 223 Mm3/year. As minimum stream
flow conditions are required for ecosystem functioning (Poff 2018), in some basins
not all STP effluent can be reused for irrigational purposes (Drewes et al. 2017).

3.3 Public Perception

To promote intentional non-potable STP effluent reuse, possible public rejection to
consume food irrigated with STP effluent needs to be understood (Massoud et al.
2018; Voulvoulis 2018). Public’s distrust in authorities who are responsible for
managing STP effluent is the result of fear in regard to (1) the level of human contact
with the STP effluent; (2) the perceived dirtiness or filthiness; (3) increasing
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incidences of disease outbreaks (the “yuck factor”); (4) the lack of skilled labor and
efficient management; (5) the cost of treatment, distribution, and the system; and
(6) the amount of available freshwater for non-potable reuse (Massoud et al. 2018;
Ricart et al. 2019; Smith et al. 2018).

Providing two-sided messages that present advantages and refute criticisms in
order to justify the logic for the positive aspects of STP effluent reuse may aid in
public acceptance. Better yet, providing information about the low risks of STP
effluent reuse is more critical than communicating about the benefits of the water
source (Price et al. 2015; Šteflová et al. 2018). One of the key challenges here is that
trust, and efforts to build trust through public engagement, may ultimately be shaped
by pre-cognitive reactions, i.e., the “yuck factor” (Garcia-Cuerva et al. 2016).
Similarly, recent research has shown that awareness of existing unplanned
(de facto) reuse practices has the potential to improve acceptance (Rice et al.
2016). This suggests that, rather than awareness of the need for STP effluent reuse
as a solution to water supply issues, awareness of STP effluent reuse as an existing
normal part of the water resource context, even in potable applications, may be a
significant driver of acceptance (Smith et al. 2018). Thus, well-planned and well-
executed water reuse programs and applying consistent risk-based standards for
agricultural irrigation may have the potential to reduce the overall perceived risk
while offering an alternative and sustainable water supply (Drewes et al. 2017;
Gonzales-Gustavson et al. 2019).

3.4 Irrigation Systems

The environmental fate processes of the CoECs present in STP effluent and the
exposure pathways to humans and the environment differ between various irrigation
systems which are being used. Here we compare sprinkler irrigation, drip irrigation,
and SSI (Table 2).

Table 2 Fate processes of CoECs in irrigation systems

Irrigation systems

Sprinkler

Drip

Sub-surfaceSurface Sub-surface

Sorption � �� ���
Photolysis ��� ��� �� Insignificant

(Bio)transformation � � �� ���
Run-off ��� Insignificant Insignificant

Volatilization ��� ��� �� Insignificant

Crop uptake ��� ��� ��
Christou et al. (2019a), Gupta and Madramootoo (2017), Kibuye et al. (2019), Pepper and Gerba
(2018)
��� Means process is prevailing compared to the other systems
�� Means process is present in system, but not prevailing in comparison to the other systems
� Means process may be present in system
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In sprinkler irrigation STP effluent is supplied under pressure and segregated into
particles or droplets of variable size and comes in direct contact with the above-
ground parts of crops. The size of droplets determines the distance that the droplets
will be transported through the air. As predicted by Stokes’ Law, the smaller the
droplet size, the further the droplets will be transported (Christou et al. 2019a; Gupta
and Madramootoo 2017; Kibuye et al. 2019; Pepper and Gerba 2018). Sprinkler
irrigation systems can be classified into two major types: (1) rotating head or
revolving sprinkler system and (2) perforated pipe system, also referred to as
“spray irrigation.” The rotating head type consists of small-size nozzles on riser
pipes fixed at uniform intervals along the length of the lateral pipe that are usually
laid on the ground surface. The perforated pipe system is comprised of drilled holes
or nozzles along the length through which water is sprayed under pressure
(Mukherjee and Adhikary 2019).

Drip irrigation, which slowly applies STP effluent to individual points, can
overcome the drawbacks of sprinkler irrigation by way of low energy requirements,
not being affected by wind and preventing crop interception storage and evaporation
losses (Gunarathna et al. 2017; Martínez and Reca 2014; Zapata et al. 2018).
However, drip irrigation may perform poorly due to clogging of emitters
(Gunarathna et al. 2017).

The application of STP effluent by means of SSI is less-time-variable then for
sprinkler or drip irrigation. SSI has perforated or porous pipes buried in the soil and
can sustain crops with high water requirements, as soil moisture content and
groundwater are kept at desired levels (Siyal and Skaggs 2009). STP effluent
seeps from the pipes into shallow groundwater by gravity and recharges it; thereupon
soil capillarity provides the irrigation water to the crops (Fig. 1). Thus, in SSI as
opposed to sprinkler and drip irrigation, CoECs are expected to primarily be
removed via sorption and anaerobic transformation processes. Anaerobic transfor-
mation of CoECs is generally less energetically favorable than transformation under
aerobic conditions. However, some aerobically recalcitrant CoECs can be

Fig. 1 Schematic overview of a sub-surface irrigation system
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bio-transformed under strictly anaerobic conditions, and little is known about the
organisms and enzymatic processes involved in their transformation (Ghattas et al.
2017; Reemtsma et al. 2016).

In addition, SSI provides a soil barrier surpassing drip and sprinkler irrigation
where the STP effluent comes in direct contact with the crops (Ghattas et al. 2017;
Hamann et al. 2016; Nham et al. 2015; van der Waals et al. 2018). Furthermore,
using SSI as a method of supply can decrease CoECs owing to filtration and buffer
functions of soil. These functions are the result of fate processes, i.e., sorption- and
(bio)transformation-related processes, which CoECs endure during soil passage in
SSI systems. The efficiency of SSI may be affected by the hydrological boundary
conditions and soil type which determine the extent of deep percolation water losses,
the water application rate, and design parameters such as the size, depth, and spacing
of pipes (Ayars et al. 2015; Martínez and Reca 2014; Bonaiti and Borin 2010). Ergo,
the fate of CoECs present in STP effluent is highly dependent on the method of
supply (Ricart et al. 2019).

Be that as it may, not all soils are suitable for SSI, i.e., to retain irrigated water in
the rhizosphere. Suitable soils typically consist of a permeable top soil to allow water
to infiltrate and a resistant layer below the drainage/infiltration tubes to prevent quick
losses due to deep percolation (Benard et al. 2016; Shakir et al. 2017).

Independent of the irrigation method, using STP effluent for irrigation on soils
with a high clay content may deteriorate the soil quality (Rengasamy 2018).

4 Fate Processes of CoECs During SSI

Environmental fate of CoECs during soil passage in SSI will be affected by sorption
and (bio)transformation processes and crop uptake (Gillefalk et al. 2018; Nham et al.
2015). These fate processes are affected by the intrinsic properties of CoECs, such as
hydrophobicity, charge, ionization state, structure and molecular weight, as well as
the extrinsic parameters of the system, such as residence times, cation exchange
capacity, pH, temperature, and the structure of microbial communities (Arp et al.
2017; Ren et al. 2018; Schulze et al. 2018, 2019). Furthermore, the abovementioned
fate processes will determine the bioavailability of the CoECs. For most CoECs, the
freely dissolved concentration is closely related to the risk of the contaminants,
because only this concentration equilibrates with the internal tissue concentration
that initiates a toxic effect (Cipullo et al. 2018).

The environmental fate processes, which in SSI systems will occur to a large
extent under anaerobic conditions, can also be observed in other systems such as
vertical flow constructed wetlands, river bank filtration, and managed aquifer
recharge (Gorito et al. 2017; Hamann et al. 2016; Nham et al. 2015; Petrie et al.
2018). Horizontal flow constructed wetlands also offer insight into these primarily
anaerobic processes; however here the transport medium is water instead of soil
(Wagner et al. 2018). As experimental data on CoECs fate processes for SSI are
largely lacking, we will review the soil processes in the other aforementioned
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constructed wetland, river bank filtration, and managed aquifer recharge systems. In
the following sections, studies concerning these main environmental fate processes
which will occur during SSI are reviewed.

4.1 Sorption and (Bio)transformation

In water treatment applications, soil passage has proven to have the ability to filter
CoECs from STP effluent as a result of sorption and (bio)transformation processes
(Bertelkamp et al. 2014; Hamann et al. 2016; Nham et al. 2015). Sorption is typically
quantified by an equilibrium organic carbon–water partition coefficient (Koc),
defined as the ratio of the concentration in soil or sediment organic carbon
(mg/kg) vs. the concentration in surrounding water (mg/L) at equilibrium (Arp
et al. 2017). The terms transformation or degradation refer to structural modification
of an organic chemical (primary transformation) or its complete breakdown to CO2

and water (ultimate transformation) (Poursat et al. 2019). The degree to which an
organic CoEC will react to its environment is dependent on its intrinsic and extrinsic
characteristics (Schulze et al. 2019). These will be discussed in the below-mentioned
paragraphs and are summarized in Table 3.

4.1.1 Intrinsic Properties of Organic CoECs

The intrinsic properties of CoECs greatly affect their occurrence and behavior in the
environment. Their complexity, i.e., long structures, ionic strength, and the presence
of functional groups, determines the rate at which they are transformed and subse-
quently mineralized (Ghattas et al. 2017). These intrinsic characteristics, including

Table 3 Factors that influ-
ence sorption and (bio)-
transformation of CoECs
during soil passage

Intrinsic Hydrophobicity

Functional groups

Charge

Ion-strength

Structure length

Extrinsic Time and continuity of irrigation

Volume of effluent versus volume of soil

STP effluent matrix

Organic matter

Residence times

Microbes

pH

Redox conditions

Seasonal temperature variations

Concentration of competing ions
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standard test protocols, are well described for target and suspect compounds in
Sjerps et al. (2016), PubChem, ChemSpider, Stoffident, and Toxnet (NORMAN
2019). New treatment processes, such as reverse osmosis coupled with advanced
oxidation, achieve high removal efficiency toward pharmaceutical products and
other CoECs (Albergamo et al. 2019; Luo et al. 2014; Magdeburg et al. 2014; Pan
et al. 2019). Their implementation is however strongly impeded by high operation
and maintenance cost, and they may not be feasible to treat large volumes of STP
effluent at low CoECs concentrations (Pan et al. 2019). Accordingly, significant
interest continues to grow in the most efficient, feasible, and environmentally
friendly approaches for the transformation of CoECs (Bilal et al. 2019). This
includes the induction of microbial adaptation (Poursat et al. 2019), which will be
discussed in the next section.

4.1.2 Extrinsic Properties of Organic CoECs

Besides microbial adaptation, redox conditions, organic matter, residence times,
and seasonal temperature variations make up the aforementioned environmental
conditions of the SSI system that influence the fate of organic CoECs in SSI systems.

Redox Conditions

The oxygen demand exerted by the incoming STP effluent exceeds the amount of
oxygen available within the SSI system. Therefore, anaerobic pathways will become
an important mechanism for removal of CoECs (Arden and Ma 2018; Kahl et al.
2017; Petrie et al. 2018). Under anaerobic conditions, extracellular respiration
bacteria oxidize electron donors (organic matter) and transport electrons to exoge-
nous electron acceptor, by which the microorganisms can grow (Peng et al. 2016;
Ren et al. 2018). The transformation of CoECs is based on the presence of micro-
organisms with specific catalytic activities targeting certain functional moieties in
the compound. Thus, organic CoECs have the potential to serve as substrates or
electron acceptors for anaerobic microorganisms in SSI (Ghattas et al. 2017). For
example, compounds with ether moieties (especially methyl-aryl-ethers) and iodin-
ated aromatic compounds (e.g., iodinated X-ray contrast media as well as their
aerobic transformation products) were reported by Ghattas et al. (2017) to be
prone to anaerobic transformation.

Organic Matter

The sorption potential of soils is positively correlated to the amount of organic
matter. However, soils with the same organic matter content may have different
sorption potentials for CoECs, depending on the soil organic matter (SOM) structure
(aromaticity and aliphaticity) at nanoscale, such as polarity, spatial arrangement, and
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physical conformation (Mao et al. 2019; Ren et al. 2018). In SSI, sorption is
expected to have a larger effect compared to other irrigation systems, as the STP
effluent is introduced into the saturated soil. Highly specific surface areas in the
saturated soil enable colloids to effectively sorb hydrophobic contaminants
(Quesada et al. 2019; Ren et al. 2018). In addition, electrical characteristics of
SOM can induce electrical attraction with positively charged chemical compounds
(Park et al. 2018), decreasing their bioavailability. Soil pH determines the surface
charge of SOM and minerals, and the existing forms of CoECs, which have
significant impact on charge-dependent adsorption process (Arp et al. 2017). Con-
sensus is lacking on which domain of SOM dominates sorption, probably caused by
different types of SOM used in different experiments (Jin et al. 2015; Quesada et al.
2019; Ricart et al. 2019; Tran et al. 2017). Furthermore, dissolved organic matter
may contribute to the movement of microbes (Ren et al. 2018).

Residence Times

Prolonged exposure of soils to STP effluent can also cause CoECs to form strong
bonds to soil, i.e., aging, consequently causing a decline in bioavailability (Brunsch
et al. 2018; Ren et al. 2018). For ionizable substances, sorption is quantified with the
pH-dependent organic carbon–water distribution coefficient (Doc, dependent on the
dissociation constant or pKa of the specific chemical), accounting for the total sum of
neutral and charged species sorbed and dissolved (Arp et al. 2017). For positively
charged ionic and ionizable molecules, there are other interactions that can decrease
mobility in the environment that are not accounted for with Doc or the solubility in
water (Swater) alone, such as cationic or anionic exchange interactions to minerals
and other surfaces or precipitation with counter-ions. Thus, in the absence of
accounting for such additional interactions, basing mobility on pH dependent Doc

or Swater represents a maximum assumption for mobility (Schulze et al. 2018).
Accordingly, prolonged sorption may lead to microbial responses such as the
formation of biofilms (Adrion et al. 2016; Bezza and Chirwa 2017; Singleton et al.
2016). Biofilms can reach thicknesses of multiple centimeters. This results in limited
oxygen diffusion to the inner parts, which consequently leads to an oxygen gradient
within the biofilm; in other words both aerobic and anaerobic transformation pro-
cesses are made possible (Wagner et al. 2018). In constructed wetlands the presence
of biofilms is identified as a key removal mechanism (Gorito et al. 2017; Kahl et al.
2017; Petrie et al. 2018). It can be expected that the prolonged exposure of croplands
to STP effluent during SSI will also induce the formation of biofilms. This may limit
the infiltration capacity of the SSI system. However, when groundwater is not fed by
STP effluent, it has the potential to decrease below desired levels, leading to
deterioration of the formed biofilms.
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Seasonal Temperature Variations

Most adsorption reactions in soil are spontaneous and exothermic processes,
resulting in a decrease in the adsorption extent with higher temperatures
(Lamichhane et al. 2016). Kahl et al. (2017) studied the effect of design and
operational conditions on the performance of subsurface flow treatment wetlands,
with CoECs as indicators. Six pilot-scale subsurface flow treatment wetlands loaded
with primary STP effluent were monitored over one year. The results from this study
suggested that in horizontal flow constructed wetlands, biotransformation is the
major removal process during high temperature seasons, while sorption in the
rhizosphere and crop uptake might be more prevalent during cold-low temperature
seasons (Gorito et al. 2017; Kahl et al. 2017; Petrie et al. 2018). Notwithstanding,
this is highly dependent on the intrinsic characteristics of the CoECs (Arp et al.
2017). Thereupon, it can be inferred that in SSI systems, biotransformation may also
be the major removal process of organic CoECs during the growing season, while
sorption may take on a more significant role during cold temperature seasons.

Microbial Adaptation

Besides the formation of biofilms, long-term exposure of microorganisms to CoECs
can alter the microbial community structure and result in a higher resistance to
CoECs and an improved potential for biotransformation.

Microbial Resistance to CoECs

Direct evidence indicating the impact of CoECs on the microbial resistance in the
agricultural environment as a result of STP effluent SSI irrigation is scarce and
controversial. One (Cycoń et al. 2019) refers to the fact that soil contains a high
abundance of bacteria that compete to survive, which means that even if STP
effluent-derived bacteria accumulate in the soil, it may take several decades to
produce noticeable effects, while another states that the continuous release of
antimicrobial-resistant bacteria and genes could create a potential reservoir for
antimicrobial resistance (Christou et al. 2017a; Larsson et al. 2018; Manaia 2017).

Enhanced Biotransformation

Biotransformation of CoECs can be enhanced through induction of microbial adap-
tation. Microbial community adaptation is controlled by three mechanisms:
(1) microbial interactions within the community and governed by microbial ecology
concepts, (2) the genetic information that controls the functional potential of the
whole community, and (3) the interplay between the microbial community and the
environment. At the level of the individual cell, adaptation can refer either to
phenotypic or genetic adaption (Poursat et al. 2019). Several studies have described
the adaptation of microorganisms to chemical stressors, which they then use as
energy sources, i.e., growth-linked transformation, or acquire the ability to

98 D. M. Narain-Ford et al.



co-metabolize (Campa et al. 2018; Poursat et al. 2019; Wagner et al. 2018; Winkler
et al. 2019). In addition, microbes can make a series of adjustments to environmental
changes (limited bioavailability of chemicals), involving morphological, physiolog-
ical, and behavioral adaptation. Behavioral adaptation can positively influence the
transformation rate of CoECs; however, it may also lead to an increase in microbial
resistance (Bertelkamp et al. 2016; Christou et al. 2017a; Otto et al. 2016; Poursat
et al. 2019; Ren et al. 2018). The greatest uncertainty concerning the complex
process of microbial adaptation is estimating the time required for adaptation to a
new molecule on the one hand and the parameters that promote the adaptation
process on the other hand (Poursat et al. 2019). However the review by Poursat
et al. (2019) showed that adaptation can be induced under certain laboratory
conditions, even with persistent or inherently biodegradable compounds. Among
all techniques used to trigger adaptation events, pre-exposure of microorganisms
present in the soil of croplands to STP effluent before cultivating crops seems to be
the best candidate to optimize the biotransformation in SSI (Poursat et al. 2019; Reid
et al. 2020; Wang et al. 2020).

4.2 Crop Uptake and Bioaccumulation

Numerous studies, mainly conducted under controlled conditions, highlighted that
crops exposed to known concentrations of individual or cocktails of CoECs through
irrigation with STP effluent uptake and accumulate these contaminants in their
tissues, in the range of low μg/kg to low mg/kg (Christou et al. 2019b). In SSI
systems, the uptake of CoECs by crops is largely dependent on their bioavailability
in soil pore water near the rhizosphere, driven by their intrinsic and extrinsic
properties (Christou et al. 2017a; Goldstein et al. 2014). This paragraph will focus
on these intrinsic and extrinsic properties.

4.2.1 Intrinsic Properties of Organic CoECs

Root uptake of most organic CoECs is passive. The mechanisms of CoECs uptake
by crops are driven by the transpiration derived mass flow and largely dependent
among others on the intrinsic properties of the compounds, especially their hydro-
phobicity, chemical structure, and charge (Christou et al. 2017b; Goldstein et al.
2014; Miller et al. 2016). For neutral compounds hydrophobicity is one of the key
transport factors, whereas for ionizable CoECs the movement and distribution also
depend on the dissociation constant (pKa), charge of the chemical, and pH of the
various crop compartments. Thus, the electrical attraction or repulsion of ionizable
CoECs to the negatively charged root surface and ion trap effects may affect their
accumulation in roots (Christou et al. 2019b). The ionic trapped CoECs are expected
to be translocated preferentially in the phloem rather than in the xylem and as
opposed to the nonionic CoECs, be accumulated in the fruit rather than in the leaves
(Goldstein et al. 2014). During transport within the crop, organic CoECs can be
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metabolized and sequestered within various crop tissues. Crops contain enzymatic
systems such as cytochrome P-450s and their (bio)transformation capacity may be
compound as well as crop specific. Non-ionizable, polar, highly water-soluble
organic compounds are most likely to be taken up by crops and translocated to
shoot tissue (Doucette et al. 2018).

4.2.2 Extrinsic Properties of Organic CoECs

The extrinsic properties of CoECs which determine their bioavailability in SSI
systems are environmental conditions such as the amount of oxygen, pH, and
temperature that crops are exposed to.

Growing on well-aerated soils, contrary to partially or non-aerated ones, such as
waterlogged soils, may facilitate the uptake of CoECs by crops (Christou et al.
2019b). CoECs in their ionic form, which is predominant in soils with pH higher
than the pKa of the compound, have a lower potential for crop uptake, due to
repulsion forces exerted by the negatively charged root epidermis. Similarly, soils
with acidic pH values (e.g., soil pH<compound pKa) may result in the presence of
contaminants in their neutral form (high fraction of neutral molecules ( fn) values),
thus facilitating their uptake (Goldstein et al. 2014; Miller et al. 2016). Remarkably,
the pH in different crop organelles (vacuole, xylem, phloem, and cytosol) may differ
from each other and from the pH in the irrigation water. Therefore, compounds taken
up easily do not necessarily distribute well within crops. Compounds that are neutral
within a wide range of pH such as carbamazepine and caffeine have been proven to
cross membranes easily (Riemenschneider et al. 2016).

Drought stress, implying dry climatic conditions and limited water availability,
also affects the uptake of CoECs by crops, independent of the method of supply.
Crops such as bananas, citrus, fruit trees, walnut (fruit trees), cucumber, eggplant,
green beans, melons, pepper, tomatoes (vegetable crops), peanuts, and alfalfa (arable
crops) have a higher potential for CoECs uptake when grown in hot and dry
conditions (thus irrigated in short intervals). Seasonal crops that are growing during
the summer period (i.e., vegetables) and crops grown in greenhouses irrigated with
STP effluent, as well as perennial crops for which STP effluent irrigation is practiced
all year round for a prolonged period (i.e., fruit trees), may also be categorized as
crops with high potential for CoECs uptake. On the contrary, crops grown during the
autumn and winter period, where irrigation with STP effluent is irregularly practiced
because of the precipitation events, as well as succulent crops (i.e., agave, aloe vera),
may be categorized as crops with the lowest potential for CoECs uptake (Zhang et al.
2016). Noteworthy, leafy vegetables (i.e., lettuce, spinach, cabbage, broccoli, celery,
etc.), often cultivated intensively all year round (thus irrigated), may accumulate
greater concentrations of CoECs in their edible tissues (Christou et al. 2019b). With
SSI a combination of the abovementioned extrinsic factors that influence crop uptake
is at play.

Independent of the method of supply, other environmental factors, like ambient
temperature, wind speed, and air humidity, may also affect crop uptake of CoECs by
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shaping their evapotranspiration rate, and therefore their water uptake (Christou et al.
2019b). Accordingly, it can be expected that SSI compared to other irrigation
systems, where the total amount of irrigated STP effluent comes in direct contact
with either the above or below ground parts of crops, minimizes crop uptake by
reducing the amount of effluent that comes in direct contact with the roots through
capillary rise. In SSI this is achieved as a result of STP effluent seeping from the
pipes into shallow groundwater and subsequently lowering CoECs their bioavail-
ability due to sorption and anaerobic (bio)transformation processes. Yet, aerobic
conditions which are present in the rhizosphere may also affect the bioavailability of
CoECs to crops. These are issues poorly understood, but the current knowledge
cannot exclude the possibility of CoECs uptake by crops in SSI systems.

Only few studies followed an experimental setup where real STP effluent was
applied for irrigation of crops in field, representing actual farming practices. More-
over, even fewer studies have reported concentrations of the studied CoECs in both
the growing medium (i.e., soil) and the edible tissues of the crops, thus allowing for
the estimation of the bioconcentration factor (Christou et al. 2017b, 2019a, b;
Franklin et al. 2015; Goldstein et al. 2014; Pan et al. 2014; Picó et al. 2019;
Riemenschneider et al. 2016). For example, Goldstein et al. (2014) reported that
the concentration of CoECs in cucumber and tomato leaves of crops grown in three
different soils in pots was of similar order, whereas their concentration in the tomato
fruit was much lower compared to that in the cucumber fruit. This was attributed to
differences in fruit physiology and specifically to the fact that cucumber fruits exert
physiological responses and functions similar to those of leaves, as the chlorophyll
content of the exocarp and the efficiency of photosystem II of fruits are similar to that
of leaves (cucumber fruits transpire water while also facilitating the direct fixation of
atmospheric CO2 and recapturing of respired CO2, contributing to fruit growth).
Riemenschneider et al. (2016) observed that the concentration of CoECs in fruits
increased with the increasing duration of STP effluent irrigation, reaching the highest
concentration values during the last harvest of the third year of the study. The overall
concentration showed the following decrease of order: roots > leaf > shoot > fruit,
which may have been due to the limited distribution of ionic compounds in aerial
crop organs. It is worth noting that generally the sum concentration of
micropollutants decreased in the order of leaf > root > fruit-bearing vegetables
(Christou et al. 2017b; Riemenschneider et al. 2016).

5 Risk Assessment of SSI with STP Effluent

A variety of CoECs are present in STP effluent, and their mixtures vary intra- and
inter-daily, seasonally, and inter-annually (Petrie et al. 2015; van Wezel et al. 2018).
Reuse of STP effluent may result in exposure of croplands to a large group of
compounds that are not commonly monitored, for which there is scarce information
on possible effects, and for which no regulatory criteria or quality standards exist
while they potentially might pose risks (Halden 2015; Rizzo et al. 2018).
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Any concern about health or environmental risks of SSI based on STP effluent
reuse might hinder its acceptance (Rice et al. 2016). Therefore a better understanding
is needed on environmental fate processes of the CoECs and their exposure path-
ways to humans and the environment during SSI for an adequate risk assessment.

5.1 Exposure Assessment

Within the risk assessment process of STP effluent reuse in SSI, a critical step is the
identification of the exposure pathways, including their magnitude, frequency, and
duration (Klaassen 2008). There are various ways in which contaminants can move
from the source through media to points of exposure in a sub-surface irrigation
system (Fig. 2). Although the vast majority of CoECs present in STP effluent are in

Fig. 2 The exposure routes of STP effluent in a SSI system. The dashed lines represent additional
pathways to the primary route (bold lines)
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the low ng per liter range, many of these compounds can raise environmental and
human health issues (Nohmi 2018; Reemtsma et al. 2016).

Few studies have assessed the long-term opportunities and limitations of the most
environmentally relevant compounds. These are compounds that are used and
produced in significant quantities and are persistent, toxic, mobile, or
bio-accumulative (PTMB) (ECHA 2017; Reemtsma et al. 2016). One essential
difficulty in conducting risk assessments for highly mobile substances is that tech-
niques to measure these substances are sparse and new methods are emerging
(Albergamo et al. 2019; Gago-Ferrero et al. 2018; Sjerps et al. 2016). Transforma-
tion product monitoring of PTMB compounds remains challenging as most of them
are so-called unknown unknowns, that is, compounds of which the structure is
unknown and which are not present in chemical databases. Indeed, liquid
chromatography-mass spectrometry technology has been one of the most competi-
tive areas over the last two decades in terms of instrumental development, with
advances in the speed and the sensitivity of analysis. State-of-the-art instruments
now allow ultra-trace multiresidue analysis with hundreds of chemicals being
measured in a single run, even after a simple direct injection of an aqueous sample
(Brunner et al. 2019; Hollender et al. 2017; Reemtsma et al. 2016). Another
important development is the popularization of high resolution MS (HRMS) ana-
lyzers, which has been a huge step for the identification of transformation products
of organic CoECs as well as for the screening of unknown substances (Brunner et al.
2018, 2019). Therefore, many of these CoECs may already be in the environment,
going unnoticed (Arp et al. 2017; Gago-Ferrero et al. 2018; Kase et al. 2018; Schulze
et al. 2019). Apart from occurrence in effluent samples, prioritized compounds
should fill all of the PTB cut-off values from Table 4.

For this purpose five CoECs that are known to be present in STP effluent are
assessed: carbamazepine, paracetamol, perfluorooctanoic acid, sulfamethoxazole,
and triclosan (Delli Compagni et al. 2020; Fraz et al. 2019; García-Santiago et al.
2017). These CoECs cover a broad range of physicochemical properties in terms of
air/water partitioning coefficient (Kaw), normalized organic carbon partitioning

Table 4 PTB cut-off hazard classification criteria according to Annex XIII, REACH

Property PBT-criteria

Persistence Fresh- or estuarine water:
Marine water:
Marine sediment:
Fresh- or estuarine sediment:
In soil:

t1/2 (half-life) > 40 days
t1/2 > 60 days
t1/2 > 180 days
t1/2 > 120 days
t1/2 > 120 days

Toxicity • A ratio of predicted environmental concentration to predicted no-effect
concentration (PEC/PNEC) � 0.01

• Classified as carcinogenic, germ cell mutagenic, or toxic for reproduction
• There is other evidence of chronic toxicity, as identified by the classifi-

cations: Specific Target Organ Toxicant (STOT)

Bioaccumulation Bioconcentration factor (BCF) > 2,000

Arp et al. (2017), ECHA (2017)
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coefficient (Koc), and ionization state at the environmental pH. In addition, they
belong to different CoECs classes (Table 5).

CoECs with a property category I have the capability of passing through lipid
bilayers of crop membranes due to their moderate hydrophobicity. Yet, they are still
slightly water soluble and capable of traveling into cell fluids (Shenker et al. 2011).
Property category III CoECs are characterized by weak interactions and sorption in
soil. For example, the majority of sulfamethoxazole would be in the anionic species
given a soil pH of 7, with a smaller proportion remaining neutral. The anionic
species would repel from soil particles and reside in the soil solution, whereas the
neutral species would preferentially interact with organic carbon (Franklin et al.
2015).

5.2 Risk Assessment

There is only a risk if exposure occurs above an acceptable level. In the proposed
regulation (European Commission 2018), a risk is defined as “the likelihood of
identified hazards causing harm in a specified timeframe, including the severity of
the consequences.” In this chapter risks associated with SSI of STP effluent in regard
to the ecosystem and humans are emphasized. Understanding these risks is crucial in
allocating trade-offs in water supply, STP effluent reuse, and CoECs emission
reduction.

A mixture made up of the organic compounds among the five highest reported
concentrations in STP effluent represents a high risk quotient (RQ) of 120.70
(Table 6). RQs were calculated for each CoEC as predicted environmental concen-
tration (PEC)/predicted no-effect concentration (PNEC). The PEC is based on a
realistic worst-case scenario, with maximum reported concentrations in STP effluent
(Cmax). Except for carbamazepine and perfluorooctanoic acid, all of the chemicals
have RQs higher than 1, indicating a risk, paracetamol showing the highest
RQ. Sulfamethoxazole is classified by the International Agency for Research and

Table 5 Physiochemical properties of selected CoECs

CoEC
Chemical
classification pKa (pKb)a

Log D
(pH ¼ 7)a

Property
categoryb

Carbamazepine Anti-epileptic drug 16 2.8 I

Paracetamol Nonsteroidal
Anti-inflammatory drug

0.4 1.2 II

Perfluorooctanoic acid Surfactant �4.2 1.6 III

Sulfamethoxazole Antibiotic 6.2 0.2 III

Triclosan Antibiotic 7.7 4.9 I
apKa, pKb, and Log D calculated with Chemaxon (http://www.chemicalize.com)
bProperties Category I: neutral and moderate hydrophobic MPs (logD(pH 7) > 2); Category II:
neutral hydrophilic MPs (logD (pH 7) < 2); Category III: anionic MPs
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Cancer (IARC) as possibly carcinogenic to humans (category 2B) (IARC 2016). The
other compounds are not classified as to their carcinogenicity.

It should be noted that the RQ calculation does not take into account the filtration
and purification function of the soil during SSI. Therefore, this RQ calculation may
give an overestimation of the potential risks.

Typically, humans are exposed to a mixture of CoECs, which can give rise to
mixture effects, i.e., they can elicit similar effects or exhibit the same mode of action.
For mixtures of independently acting chemicals, the effects can be estimated directly
from the probability of responses to the individual components (response addition)
or the sum of biological responses (effects addition). Both concepts (independent
action and dose/concentration addition) are based on the assumption that chemicals
in a mixture do not influence each other’s toxicity, i.e., they do not interact with each
other at the biological target site (Blum et al. 2018; SCHER 2011). However, dose/
concentration addition can produce reliable estimates of combined effects, if the
components share either a strictly identical molecular mechanism of action or belong
to the group of so-called baseline toxicants (Boberg et al. 2019; SCHER 2011;
Thomaidi et al. 2016). Yet, interactions may vary according to the relative dose
levels, the routes, timing, and duration of exposure. Boberg et al. (2019) suggest a
pragmatic step-by- step procedure for mixture risk assessment and propose tools for
grouping of chemicals, whereby CoECs should be grouped for mixture risk assess-
ment based on integrated in vivo and in vitro data, read-across as well as computa-
tional methods such as QSAR models or integrative systems biology.

Often the Threshold of Toxicological Concern (TTC) concept is used to provide
an abbreviated risk assessment for the thousands of low molecular weight contam-
inants and other chemicals in food, provided that there is a sound intake estimate
while specific toxicological data is lacking (Baken et al. 2018; Hollender et al. 2018;
Riemenschneider et al. 2016). TTC is defined by examining the distribution of
threshold values of the 5th percentile of non-observable effect level and the safety
factor which is usually 100 (¼10 � 10), reflecting species difference between
rodents and humans (10-fold) and individual variations in humans (10-fold). The
concept underlying this risk management approach is exactly the principle
established by Paracelsus: any poison can be non-toxic if the dose is below the

Table 6 Risk quotients of selected CoECs

Cmax in STP effluent (ng/l) PNEC (ng/l) RQ¼PEC/PNEC

Carbamazepine 4,000a 9,000b 0.5

Paracetamol 32,000c 367d 87

Perfluorooctanoic acid 66e 1.07e+06f 0.00006

Sulfamethoxazole 25,700g 890h 28.9

Triclosan 11.3i 2.6f 4.3

Total 120.70

Maximum concentration found in STP effluent (Cmax ¼ PEC) retrieved from gFranklin et al.
(2015), aChristou et al. (2019a), cPereira et al. (2016), iZheng et al. (2020), eMan et al. (2018).
PNEC values obtained from bZhao et al. (2017), dRiva et al. (2019), fGredelj et al. (2018), hHuang
et al. (2018)
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appropriate threshold and by WHO in numerous publications and all regulatory
schemes of risk assessment in e.g. OECD countries. This principle cannot be applied
to the regulation of genotoxic chemicals. Owing to their DNA interaction properties,
genotoxic chemicals are not considered to have a safe threshold or dose (Baken et al.
2018; Bieber et al. 2018; Nohmi 2018).

6 Conclusion

Intentional reuse of sewage treatment plant (STP) effluent with sub-surface irrigation
(SSI) can partly solve water scarcity issues. Consequently, an increased demand for
STP effluent as freshwater source, rather than discharging it to the surface water,
may lead to the installation and optimization of treatment facilities to produce
effluent of a desired quality for irrigation purposes. Worldwide, guidelines related
to contaminants of emerging concern (CoECs) and water reuse have only been
adopted by a few states in the United states. California produced specific national
mandatory regulations related to CoECs. At European level, the current proposed
regulation for STP effluent reuse lacks minimum requirements for CoECs. Enhanc-
ing the water policy framework with STP effluent reuse may promote well-planned
water reuse programs, which will require consistent risk-based standards for differ-
ent types of agricultural irrigation systems.

The quality of the irrigation water that reaches the crop and the risk associated
with STP effluent is highly dependent on the method of supply. SSI provides a
(saturated) soil barrier, surpassing drip and sprinkler irrigation where the STP
effluent comes in direct contact with the crops. On the contrary, SSI directly
introduces STP effluent into groundwater which may lead to deep groundwater
seepage.

Not many studies are available with regard to the fate and risks for a broad list of
CoECs in SSI systems. Indeed, studies done in river bank filtration, managed aquifer
recharge, and constructed wetlands have proven that the soil may have the ability to
act as a filter and buffer zone. These systems are similar in terms of their anaerobic
medium; it can therefore be expected that biotransformation processes which are key
removal processes in these systems will also be dominant in SSI. On the other hand,
these systems were constructed for purification functions, while SSI also serves as an
irrigation system which may have shorter residence times with regard to crop uptake
and longer residence times for groundwater seepage. This objective of SSI is the
basis for the difference in design and operational conditions compared to the other
systems. Therefore, the mechanisms of biotransformation processes for a broad list
of CoECs are still unknown. In addition the interplay between aerobic and anaerobic
conditions of SSI remains not yet fully understood. Furthermore, the balance
between irrigation supply with STP effluent and the minimum stream flow needed
for ecosystem functioning should be conserved. As a consequence, to explore the
full potential, i.e., risk and opportunities, of STP effluent reuse in SSI, the following
topics should be addressed in profound studies:
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– Identification of a broad list of CoECs and their transformation products in
groundwater, soil, and crops of SSI systems for several years before, during,
and after the growing season. The conditions of SSI system will primarily be
anaerobic, but sub-oxic conditions are not excluded. These fate studies may
additionally pinpoint how and to what degree SSI with STP effluent can contrib-
ute to reduced CoECs emission to surface water compared with current direct
discharge.

– Anaerobic biotransformation mechanism in SSI and the interplay with aerobic
conditions in the rhizosphere. From the constructed wetlands and river bank
filtration studies assessed in this review, it can be expected that biotransformation
may be the most dominant removal process present in SSI. Especially the
residence time distribution during the year can highly influence the effect of
biotransformation due to among others microbiological adaptation.

– Adequate risk assessment which results in classifying trade-offs in water supply,
STP effluent reuse, and CoECs emission reduction. These trade-offs determine
critical factors in upscaling SSI to larger scales.

7 Summary

Worldwide, fresh water scarcity is often caused by a high demand from the agricul-
tural sector that globally accounts for 69% of fresh water withdrawal. This is not
only an issue for arid regions with low rainfall and high population density that are
prone to increasing water stress; temperate areas with intense agriculture also suffer
from frequent non-potable water shortages. The intentional reuse of sewage treat-
ment plant (STP) effluent in sub-surface irrigation (SSI), which is currently
discharged in large volumes to surface water, may provide an alternative freshwater
source. Additionally, the load of contaminants of emerging concern (CoECs) to
surface water may be reduced due to soil passage and related (bio)transformation
processes. In this review, the policies and guidelines concerning non-potable water
reuse are highlighted. We discuss the processes that affect the fate of CoECs in SSI,
and the expectations with regard to exposure and risks. Furthermore, knowledge
gaps as well as challenges and opportunities of intentional STP effluent reuse via SSI
are addressed with the aim of stimulating future research toward an enhanced
understanding of the fate and risks of CoECs in SSI.
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1 Introduction

Herbicides are the most used pesticides in North America and in Europe, and
accordingly, herbicides are the most frequently detected pesticide group in North
American and European surface waters (Moschet et al. 2014; Booij et al. 2015;
Lopez et al. 2015; Schreiner et al. 2016). Herbicides are often well soluble in water
to increase the systemic uptake by plants. This increases the chances of transport and
discharges into water, and consequently, a wide variety of herbicides often exceed
environmental quality standards (EQS) and regulatory acceptable concentrations
(RACs) in European surface waters (Moschet et al. 2014; Schreiner et al. 2016;
Casado et al. 2019). Hence, herbicides are expected to have a significant effect on
aquatic ecosystem functioning (Moschet et al. 2014; Knauer 2016; Schreiner et al.
2016). Herbicides are often phytotoxic to non-target aquatic organisms such as algae
and macrophytes, and these adverse effects on primary producers can cascade up the
food web altering community structure (DeLorenzo et al. 2001; Ralph et al. 2007;
Wood et al. 2016), since algae and plants provide food and habitat for higher trophic
levels (e.g. Whatley et al. 2014; Bakker et al. 2016).

Since herbicides specifically target essential processes in primary producers, all
substances with a herbicidal mode of action require regulatory testing on non-target
primary producers. For the USA, data on five aquatic plants are required and in
Europe data on two algal species and on one to three macrophytes. Higher-tier
approaches focus on the most sensitive taxonomic groups identified in tier 1 based
on obligatory data requirements from regulatory testing. If macrophytes are an order
of magnitude more sensitive than algae, additional tests with macrophytes are
required. Still, despite the prevalence and their documented effects on primary
producers, herbicides remain relatively understudied compared to pesticides
targeting various groups of animals. More toxicity tests focus on fish and
macroinvertebrates compared to tests focusing on the effects of herbicides on
macrophytes and algae in the environment (Birk et al. 2012). Yet, for both marine
and freshwater environments, standardized ecotoxicity tests are available for
microalgae (unicellular microorganisms sometimes forming larger colonies), includ-
ing the prokaryotic Cyanobacteria (blue-green algae) and the eukaryotic
Chlorophyta (green algae) and Bacillariophyceae (diatoms) (OECD 2011; USEPA
2012d; Wood et al. 2016). Macrophytes (macroalgae and aquatic plants) are
multicellular organisms, the latter consisting of differentiated tissues, with several
species included in standardized ecotoxicity tests (Knauer et al. 2006; Feiler et al.
2014; Van Wijngaarden and Arts 2018). While macroalgae grow in the water
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compartment only, aquatic plants are divided into groups related to their growth
form (emergent; free-floating; submerged and sediment-rooting; floating and
sediment-rooting) and can extend from the sediment (roots, stolons and rhizomes)
through the water into the air (Cronk and Fennesy 2001).

There is strong evidence that anthropogenic compounds threaten the ecological
integrity and consequently the biodiversity of almost half of the water bodies in
Europe, with herbicides accounting for 96% of the risks to algae (Malaj et al. 2014).
The aim of the present review was therefore to give an overview of the current state
of science concerning herbicide exposure and toxicity to aquatic primary producers.
To this end, we assessed the open literature to address the sources and fate of
herbicides in the aquatic environment, their bioavailability and subsequent uptake
by algae and plants. Next, the hazard of herbicides to primary producers was
assessed, including their modes of action and toxicity to algae and aquatic plants
determined in the various available toxicity tests, making an inventory of reported
effect concentrations. Retrospective risk assessments were performed to determine
whether the presence of herbicides represented an actual risk to aquatic primary
producers in various environments, including water and sediment of freshwater and
marine/estuarine ecosystems.

2 Exposure of Aquatic Primary Producers to Herbicides

Herbicides originate from different urban and agricultural usages and are transferred
to surface waters from point and diffuse sources by several transport pathways
(Moser et al. 2018). Exposure of aquatic primary producers to herbicides can
occur through water for all algae and aquatic plants, through air for emergent and
floating plants and through sediment for rooting plants and benthic algae (Fig. 1).
For phytoplankton and free-living submerged aquatic plants, water is the main
medium through which they are exposed to dissolved herbicides. Resuspension of
sediments contaminated with herbicides can result in the release of herbicides into
the water column (Pandey et al. 2019). Resuspension can therefore also expose
phytoplankton and free-living aquatic plants indirectly to herbicides accumulated in
the sediment. Spraying of herbicides near emergent and floating plants can result in
direct exposure to herbicides transported by wind (spray drift), while volatilization
of herbicides and subsequent transport by wind (vapour drift) can also result in
exposure of these aquatic plant growth forms (EFSA PPR 2015). All growth forms
of aquatic plants with roots extending into the sediment are additionally exposed via
this environmental compartment. Sediment exposure also occurs in macroalgae with
rhizoids extending into the sediment (e.g. Characeae and Caulerpa spp.) and in
microalgae living on top of the sediment (e.g. benthic autotrophic biofilms including
diatoms). In this chapter we will focus on sources, fate and concentrations of
herbicides in the aquatic environment leading to exposure and subsequent uptake
of herbicides by aquatic primary producers through surface water and pore water.
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2.1 Sources of Herbicides in the Aquatic Environment

Herbicides can enter surface waters from several sources through various processes,
with the main source being runoff and drainage from agricultural fields (e.g. Knauer
2016). Urban sources of herbicide pollution to surface water are wastewater treat-
ment plants, storm sewers or combined sewer overflows and runoff from urban areas
(Wittmer et al. 2010; Ensminger et al. 2013). Herbicides flow into the ditches
surrounding the agricultural fields, spread over the surface waters from diffuse and
point sources and drain into the groundwater. The mean annual use of herbicides in
agriculture, on average 0.69 kg/ha during 2010–2014, is generally higher compared
to use of insecticides (0.22 kg/ha) and fungicides and bactericides together (0.32 kg/
ha) (Zhang 2018). Compounds ranking at the top of global herbicides use (expressed
as tonnes active ingredient in 2014) are amides (38.3k), phenoxy hormone products
(23.9k), bipyridyls (17.2k), urea derivatives (9.5k), dinitroanilines (6.5k), carbamate
herbicides (4.0k), sulfonylureas (2.7k) and uracil (0.6k) (Zhang 2018).

New compounds are synthesized at high rates (Chemical Abstracts Service,
https://www.cas.org/). However, few herbicides make it into a developed and
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Fig. 1 Potential exposure routes to herbicides for different growth forms of aquatic primary
producers through air, water and sediment from indirect sources and direct application. Growth
forms depicted are [1] emergent plants, [2] rooting floating plants, [3] free-floating plants,
[4] rooting submerged plants and rhizoid macroalgae, [5] free-living submerged plants, [6] phyto-
plankton and [7] benthic microalgae and biofilms

122 J. A. Vonk and M. H. S. Kraak

https://www.cas.org/


registered product actually entering the market, e.g. in 2019 in Europe only approval
for florpyrauxifen-benzyl. The environmental hazard and risk of new compounds
have to be investigated and assessed, before any herbicide may enter the market.
From a European perspective, the tier 1 data requirement always has to be fulfilled
before putting an herbicide on the market. For herbicides, this includes a significant
amount of information on effects on non-target plants, which is thus available from
regulatory data, but often not yet from the open literature. Herbicides are often
marketed as products with two to three different active ingredients. Accordingly,
there will be at least some information from regulatory testing on the mixture toxicity
of these active ingredients. However, application of a wide variety of herbicides by
different users in a river catchment increases the potential of interactions between the
active herbicides in the environment. This is especially relevant since there are
additional legacies of pesticides in aquatic ecosystems, consisting of herbicides
that have already been banned from the regions (e.g. triazine herbicides
terbuthylazine and simazine in the EU; Rasmussen et al. 2015).

Herbicides are also directly applied in the aquatic environment to eradicate
expansions of invasive aquatic plant species in various parts of the world, especially
in North America, Australia and New Zealand (Lake and Minteer 2018). Invasive
species targeted by herbicide application include Phragmites australis (common
reed), Myriophyllum spicatum (Eurasian watermilfoil), Hydrilla verticillata (water
thyme) and Eichornia crassipes (water hyacinth) (Hershner and Havens 2008;
Kettenring and Adams 2011; Hussner et al. 2017). Various herbicides are used for
the control of these invasive species, including glyphosate, 2,4-D, picloram, diquat
and triclopyr (Kettenring and Adams 2011; Hussner et al. 2017). Often herbicide
applications are combined with other management strategies, including biological
controls and plant competition, although herbicide application can influence biolog-
ical control through direct and indirect effects of the herbicide on other biota (Lake
and Minteer 2018). Generally, herbicides need carefully timed and repeated appli-
cations, have modest success and induce significant collateral risk (Hershner and
Havens 2008). Common problems associated with the application of herbicides
include effects on non-target species and novel invasions following control of initial
invasive species (Kettenring and Adams 2011). One solution is the application of
systemic herbicides to dewatered or drawdown canals to allow herbicides to directly
target the plant populations while strongly limiting the transport of the herbicide by
the water (Hussner et al. 2017). Hence, the unintentional as well as intentional
sources of herbicides in the aquatic environment are numerous, evidently leading
to the widespread presence of herbicides, inevitably leading to the exposure of
non-target primary producers.

2.2 Fate of Herbicides in the Aquatic Environment

The fate of herbicides in the environment is determined by the combination of (1) the
chemical properties and the formulation of the pesticides, (2) the local environmental
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conditions and (3) the timing, rate and method of application (Kookana et al. 1998;
Rabodonirina et al. 2015). Together, they govern the fate of herbicides in the aquatic
environment by influencing retention processes (e.g. adsorption to particles and
uptake by organisms), transformation processes (abiotic and biotic degradation
into other (toxic) compounds), and transport processes of the herbicides. Transport
of herbicides into aquatic environments is driven by runoff from nearby agricultural
or other terrestrial environments, drift of herbicides along the catchment and
leaching of herbicides into groundwater sources. Leaching of herbicides into
groundwater is a rather negligible source of contamination in Europe, since any
compound that might end up in groundwater at a concentration greater than 0.1 μg/L
would be prohibited. Instead, in agricultural areas where drainage canals are used,
relevant amounts of herbicides may be transported via drainage water into receiving
aquatic ecosystems. In this way, local hydrological processes form the main drivers
for the mobilization and transport of herbicides into surface water (Klaus et al.
2014). Charged and hydrophilic herbicides generally remain in the water column.
However, herbicides with a higher octanol-water partitioning coefficient (KOW) are
more hydrophobic and accumulate at higher rates in the sediment through sorption
on clay particles and organic matter (Voice and Weber 1983).

Many herbicides interact with the dissolved and particulate organic matter in the
water, resulting in the adsorption of active herbicides (Voice and Weber 1983;
Chefetz et al. 2004; Pandey et al. 2019). These aggregates may sink to the bottom
causing the transport of herbicides from the water column to the sediment. Accu-
mulation of herbicides in the sediment is primarily determined by the organic carbon
content of the solid and the clay-size fraction (Chefetz et al. 2004; Clausen et al.
2004) causing sediments to be the main sink for many herbicides. Furthermore,
herbicides can be adsorbed or taken up by aquatic primary producers (Crum et al.
1999; Turgut 2005). Especially vascular species, like Cabomba aquatica,
Eichhornia crassipes, Elodea canadensis, Lemna minor, Ludwigia peploides,
Myriophyllum aquaticum and Spirodela polyrhiza, have efficient capacities to take
up pesticides from the aquatic environment, leading to accumulation of herbicides at
target sites (Turgut 2005; Olette et al. 2008; Anudechakul et al. 2015; Pérez et al.
2017). Reported removal rates of herbicides by phytoplankton species vary consid-
erably, ranging from negligible or a few percent after a couple of days (Weiner et al.
2004; Chalifour et al. 2016) up to 80% removal after 24 h (González-Barreiro et al.
2006), revealing the potential of aquatic primary producers as sink for herbicides.

Environmental conditions such as the pH, redox and light conditions and tem-
perature are important factors determining the degradation of herbicides in the
environment. In the absence of light, degradation of herbicides can be one order of
magnitude slower (Mercurio et al. 2016). Surface water pH can alter the charge of
herbicides and the hydrolysis and degradation rates of herbicides (Schneiders et al.
1993). Degradation of herbicides is often faster at the sediment-water interface
compared to the surface water (Rice et al. 2004; Mercurio et al. 2016). Degradation
processes of herbicides in the sediment including hydrolysis, volatilization and
microbial degradation are related to the pH, redox conditions and temperature of
the sediment (Kookana et al. 1998; Graymore et al. 2001). Especially at the interface
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between water and sediments, microbial activity is higher compared to both surface
water and in the sediment. Under anaerobic conditions in aquatic ecosystems, as
often present in the sediment, biodegradation is generally limited (Mercurio et al.
2016; Ghattas et al. 2017). Contrary, microbial activity is stimulated by plant
exudates, resulting in higher degradation rates or accumulation of herbicides nearby
roots in both the water and in the sediment (Anudechakul et al. 2015; Singh and
Singh 2016). Overall, microbes are the main vehicle for remediation of herbicides in
the environment (Singh and Singh 2016). Half-lives of the herbicides in aquatic
ecosystems can be over 100 days, as observed by Mercurio et al. (2016) for diuron,
atrazine, hexazinone and tebuthiuron. Only for metolachlor exposed under light
conditions and for 2,4-D exposed in dark conditions, these authors measured half-
lives of less than 100 days. Metabolites of herbicides are significantly less biolog-
ically active than the parent compounds and are generally more polar and more water
soluble than the parent compounds. This results in different transport behaviours
between the parent herbicides and the metabolites (Boxall et al. 2004). Although, at
least in Europe, the hazard and risks of the main metabolites have to be assessed in
prospective risk assessments (e.g. EFSA PPR 2013, 2015), the bioavailability and
mode of action of metabolites is not always known (Busch et al. 2016).

2.3 Concentrations of Herbicides in the Aquatic Environment

Changing and differential use has had a strong impact on the concentrations of
herbicides in the aquatic environment. Nevertheless, herbicides are the main con-
tributor to the total amount (expressed in μg/L) of pesticides present in aquatic
ecosystems (Casado et al. 2019). The most frequently detected herbicides present in
the highest concentrations in source waters in the USA in 1999–2000 had a
photosynthesis-inhibiting mode of action (Coupe and Blomquist 2004). In a more
recent study, herbicides with an auxin stimulating mode of action (2,4-D, triclopyr
and dicamba) were three of the five most frequently detected herbicides (Ensminger
et al. 2013). Out of the ten most frequently used herbicides in the USA in 1999–2000
(Coupe and Blomquist 2004), only two, atrazine and simazine, were detected in
streams and groundwaters in Europe in 2016 (Schreiner et al. 2016). In a recent
analysis of 29 small waterways across 10 countries in the European Union, Casado
et al. (2019) analysed in total 103 different pesticides, 45% of them being herbicides.
Herbicides were detected in 52% of the samples, and the most frequently detected
herbicides were terbuthylazine (100% of the samples) and metolachlor (90%). The
same substances are also included in the list of the most frequently detected
pesticides in the USA, Germany, France and the Netherlands compiled by Schreiner
et al. (2016).

Detection of herbicides is often related to recent application on nearby fields and
rain-induced runoff to adjacent aquatic ecosystems. In terms of total amount of
pesticides (as ng/L) detected by Casado et al. (2019), 97% corresponded to herbi-
cides, which was mainly due to the outstandingly high concentrations of six
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herbicides (dimethenamid, MCPA, 2,4-D, ethofumesate, prosulfocarb and
terbuthylazine) present in concentrations above 1,000 ng/L at specific sites. These
six herbicides were also reported by Moschet et al. (2014) in small Swiss rivers.
Concentrations of specific herbicides in surface waters are generally not very high,
although a large number of different herbicides can be found. Yet, high peak values
with short exposure times occur generally in small streams and ditches related to
application in nearby agricultural fields and concurring runoff to these aquatic
ecosystems. In larger streams and water bodies lower in the catchment, peak values
of specific herbicides are lower due to dilution, while at the same time more different
herbicides are present. Monitoring studies on herbicides in the aquatic environment
have focused often on the water phase (e.g. Schreiner et al. 2016), while these
herbicides have been detected in biota and sediments as well (e.g. Masiá et al. 2013).
In fact, herbicides quickly disappear from the surface waters through absorption to
the sediment, degradation into other compounds through various processes including
hydrolysis and photolysis or accumulation in plants (Kookana et al. 1998; Ramezani
et al. 2008; Remucal 2014). The concentrations of herbicides are related to the
sediment type (organic matter, sand and clay content) (Kronvang et al. 2003), and
sediments have been shown to be a sink for many anthropogenic pollutants including
various herbicides. Sediments can also become sources of pesticides. Studying
aquatic systems influenced mainly by urban runoff in the USA, Ensminger et al.
(2013) observed that concentrations of the most frequently detected pesticides in
sediments (bifenthrin and other pyrethroids) increased strongly during storm events
in the water. Hence, they concluded that resuspension of sediments was a source of
bifenthrin for surface waters.

Comparing herbicides in surface waters and sediments is challenging, since only
a few studies present an overview of the most detected herbicides in sediments.
Comparing the most frequently detected herbicides in European rivers for sediments
(Massei et al. 2018) and surface waters (Schreiner et al. 2016) showed similarities as
well as differences between both compartments (Table 1). The five most frequently
detected herbicides in the sediment are also in the top ten of the surface waters, albeit
in different order, and for terbuthylazine and atrazine, mainly their transformation
products were measured in the sediment. The remaining top ten of most frequently
detected herbicides were completely different for sediments and surface waters,
indicating that the herbicide mixture present in both compartments differs substan-
tially. It is therefore argued that for a complete risk assessment of herbicides, both
aquatic environmental compartments, water and sediment, should be taken into
consideration.

Although herbicides are also released from treated wastewater discharged from
point sources (Munz et al. 2017), diffuse pollution is often the dominant source for
herbicides (Moschet et al. 2014). Quantification of herbicides in streams is therefore
challenging and especially demanding due to the high spatial-temporal concentration
dynamics, which require large sampling and analytical efforts to obtain representa-
tive data on the actual water quality (Wittmer et al. 2010). Grab sampling generally
provides only a snapshot of the herbicides present in a water body (Jones et al. 2015)
and results in underestimations of concentrations, except when sampling occurred
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during a runoff event (e.g. Casado et al. 2019). Two possible solutions are event-
driven sampling and passive sampling. The primary transport routes for pesticides to
aquatic ecosystems are surface runoff and tile drainage induced by heavy precipita-
tion events (Leu et al. 2004; Stehle and Schulz 2015). During precipitation events
after pesticide application, maximum pesticide concentrations can be a factor of
10–100 higher than during base-flow conditions (e.g. Rasmussen et al. 2015).
Therefore, assessing exposure by event-driven sampling following spray application
outperforms the widely used automatic water sampling at fixed intervals (Lorenz

Table 1 The top ten most frequently detected herbicides in the surface waters and sediments of
river ecosystems in Europe (rank # in each environmental compartment) based on percentage sites
at which the compound was present, analysed by Schreiner et al. (2016; surface water) and by
Massei et al. (2018; sediment)

Herbicide

MoA

Surface water Sediment

Compound CAS
Rank
#

% Sites
detected

Rank
#

% Sites
detected

Acetochlor 34256821 Inhibition of cell
division

- 6 16.7

Atrazine/2-
hydroxyatrazine

1912249/
2163680

Photosynthesis
inhibition/?

5 25.9 2 40.0

Bentazon 25057890 Photosynthesis
inhibition

8 22.8 -

Diuron 330541 Photosynthesis
inhibition

2 46.2 3 36.7

Flurtamone 96525234 Carotenoid bio-
synthesis
inhibition

- 10 10.0

Irgarol 28159980 Photosynthesis
inhibition

- 7 13.3

Isoproturon 34123596 Photosynthesis
inhibition

1 51.0 4 26.7

MCPA 94746 Synthetic auxin 3 36.7 -

Mecoprop 93652 Synthetic auxin 7 22.9 -

Metazachlor 67129082 Inhibition of cell
division

9 22.3 -

Metolachlor 51218452 Inhibition of cell
division

6 25.2 5 23.3

Simazine 122349 Photosynthesis
inhibition

10 21.4 -

Simetryn 1014706 Photosynthesis
inhibition

- 9 13.3

Terbuthylazine/
terbuthylazine-2-
hydroxy

5915413/
66753079

Photosynthesis
inhibition/?

4 29.4 1 70.0

Terbutryn 886500 Photosynthesis
inhibition

- 8 13.3

Modes of action (MoA) were obtained from Busch et al. (2016). (rank # ‘-’means that the herbicide
is not in the top ten for that environmental compartment)
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et al. 2017). Passive sampling can overcome the limitations of grab sampling by
exposing a sorbent in the aquatic environment for several weeks to months, accu-
mulating herbicides from the water over time (Vrana et al. 2005). In this way,
passive sampling integrates fluctuations in herbicide concentrations in time and
simultaneously enriches surface water samples to an extent that (bio)analytical
detection limits become very low (De Baat et al. 2019). Passive samplers have
been successfully applied to quantify exposure to both lipophilic and more water-
soluble compounds (e.g. range log KOW 0.47–4.92; Fernández et al. 2014).

Since hydrological processes are the main drivers for the mobilization and
transport of pollutants into surface water (Klaus et al. 2014), key transport mecha-
nisms for herbicides can be derived from insight into concentration and discharge
dynamics at the catchment outlet (Wittmer et al. 2010). An alternative method is the
event-based hysteresis analysis, regarded as a valuable tool to infer the source areas,
transport mechanisms, storage and mobilization capacity of herbicides and biolog-
ically active metabolites (Tang et al. 2017). Modelling expected concentrations of
herbicides in catchments can provide essential insights into the exposure of aquatic
primary producers to herbicides. Moser et al. (2018) showed that key drivers and
processes are reasonably well approximated by a simple model that includes land use
as a proxy for herbicide use, weather data for the timing of herbicide applications and
discharge or precipitation as drivers for transport. They could predict the timing and
level of peak concentrations within a factor of 2 to 3 in a spatially distributed manner
at the scale of large river basins. Better quantification of episodic pesticide pollution
events would result in more comprehensive assessments of variations in herbicide
exposure (Munz et al. 2017), and coupled progress in modelling, such as the FOCUS
modelling approach, and in measuring herbicide concentrations in the field remain
necessary to improve exposure assessments in aquatic ecosystems (Moser et al.
2018).

2.4 Bioavailability of Herbicides to Aquatic Primary
Producers

The bioavailable concentration is defined as the concentration that is freely available
for uptake, crossing an organism’s cellular membrane from the medium the organ-
ism inhabits at a given time (Semple et al. 2004). The bioavailability of herbicides
depends on the molecular characteristics of the herbicide and on environmental
conditions (Landrum et al. 1996; Delle Site 2001), but is also greatly influenced
by the test species and their physiology (Gomes and Juneau 2017). Furthermore,
after entering the environment, bioavailability of herbicides is altered by the
prevailing environmental conditions of the soil, surface waters and sediments
(Delle Site 2001; Semple et al. 2013). Only by direct contact to herbicides of aquatic
primary producers through nearby spraying activities (direct or wind-driven), the
resulting exposure is not altered through processes influencing bioavailability of the
herbicide (Lockhart et al. 1989; EFSA PPR 2015).
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Environmental conditions affecting the bioavailability of herbicides in the water
column are mainly temperature, pH and dissolved organic matter (DOM) concen-
trations and quality (Landrum et al. 1996). Since herbicides generally have a low
hydrophobicity (log KOW < 3), the impact of particles on their bioavailability is
generally small (Knauer et al. 2017). Water and particle-associated concentrations of
herbicides are estimated based on the organic carbon-water partitioning coefficient
(KOC). As for neutral organic compounds, the log KOC of herbicides correlates
positively with the octanol-water partitioning coefficient (log KOW), but for polar
and ionizable herbicides, KOW is a weaker predictor of the KOC (Delle Site 2001).
Also, black carbon can sorb herbicides, making them less available to primary
producers (Knauer et al. 2006; Semple et al. 2013). Bioavailability of herbicides is
high when they are weakly adsorbed or dissolved, in contrast to being part of more
complex aggregates or when strongly bound to minerals (Eggleton and Thomas
2004).

The bioavailability of herbicides in sediments depends on a wide range of
environmental conditions: sediment particle size distribution, sediment total organic
carbon concentration and composition, DOM and colloid concentrations in pore
water and sediment redox conditions (Landrum et al. 1996). Sorption and desorption
from sediment particles under different conditions make that the exposure and
bioavailability of organic contaminants in sediment is difficult to predict. The
organic matrix of the sediment is competing with the organism’s lipids for the
available herbicide molecules (Landrum and Fisher 1998). In sediments, typically
between 16 and 50% of the herbicides is bioavailable depending on the compound
and characteristics of the sediment (Lamoureux and Brownawell 1999). Bioavail-
ability of herbicides in sediments is determined by adsorption, desorption,
non-extractable residue formation and biodegradation, which are all occurring
interdependent and in parallel, with the latter also depending on the availability of
the herbicide to organisms degrading the compounds (e.g. microorganisms)
(Kanissery et al. 2019). Finally, interaction between sediment and surface water
can also enhance the bioavailability of herbicides in the water. Sediment
resuspension and exchange between surface water and pore water act as important
emission sources for both historic-use and current-use herbicides to the water
column (Cui et al. 2020).

In regulatory risk assessments, predicted concentrations for herbicides in surface
waters are derived using models (e.g. European FOrum for the Co-ordination of
pesticide fate models and their USe (FOCUS)), which distinguish between exposure
to dissolved and particle-associated compound concentrations, because the dissolved
concentration is thought to be the best predictor of bioavailability (Knauer et al.
2017). Assessment of the bioavailability of herbicides in the water column can be
achieved by passive sampling, exposing a sorbent in the aquatic environment to
accumulate available herbicides from the water over time (Vrana et al. 2005; De Baat
et al. 2019). Characterization of the bioavailability of herbicides in the sediment can
also be conducted using passive samplers, which have been developed to indirectly
measure the freely dissolved concentration of compounds by chemical partitioning
(e.g. Wang et al. 2018). Likewise, the ecotoxicological relevant concentration (ERC)
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in herbicide effect and risk assessment is considered to be the freely dissolved
herbicide concentration in pore water and overlying water (ESFA PPR 2015).

2.5 Uptake of Herbicides by Aquatic Primary Producers

Aquatic primary producers take up herbicides from the water and depending on their
growth form also from the air (emergent and floating plants) and from the sediment
and pore water (all rooting plants, macroalgae with rhizoids and benthic algal
communities). Uptake from the air is mainly the result of (intentional) spraying
activities nearby aquatic ecosystems and is induced by direct contact of the herbi-
cides dissolved in droplets with the leaves of the plants (Hussner et al. 2017).
Aquatic primary producers take up herbicides directly from the surface water and
sediment pore water through their cell membranes. Mechanisms for uptake of
herbicides by aquatic primary producers are strongly depending on chemical prop-
erties of the herbicides. Small and nonpolar (log KOW < 1) herbicides can diffuse into
the cell passively by dissolving through the membrane’s hydrophobic core, driven
by a concentration gradient (Hsu and Kleier 1996), while for large or strongly
charged herbicides, active transport via protein transporters is needed (Ge et al.
2014). Dissolved weakly acidic herbicides penetrate the cell membranes primarily in
their undissociated lipophilic form and accumulate by an ion trapping mechanism
(Fahl et al. 1995). Accumulation inside the cells by ion trapping is based on the
relatively low permeability of the membranes to the dissociated species (Devine
et al. 1987) and differences in pH between surface water and cell cytoplasm. Uptake
of these herbicides by aquatic primary producers is thus strongly influenced by the
pH of the environment (Fahl et al. 1995; de Carvalho et al. 2007b).

Reported uptake rates of herbicides vary strongly between compounds and
between aquatic primary producer species. For various species of phytoplankton,
uptake rates of 1–3% of the total amount of atrazine available in the test vials have
been measured over 24 h using 14C-atrazine (Tang et al. 1998; Weiner et al. 2004),
while for Microcystis novacekii, an uptake rate of around 25% of the total available
atrazine over 96 h has been reported (Campos et al. 2013). This large range in uptake
rates may be due to differences in phytoplankton cell size and lipid composition
(Tang et al. 1998; Tuckey et al. 2002; Weiner et al. 2004). Smaller phytoplankton
cells with higher surface area-to-volume ratios will incorporate more herbicides and
will be more sensitive to exposure compared to larger phytoplankton cells (Tang
et al. 1998; Weiner et al. 2004). Besides cell size, also cell lipid content and
composition affect the ability of algae to take up lipophilic compounds, since the
presence of sterols influences the fluidity and permeability of cell membranes
(Tuckey et al. 2002). In addition to cell characteristics, also environmental condi-
tions influence the uptake of herbicides by aquatic primary producers. Temperature
and light conditions alter the uptake of herbicides by phytoplankton species mainly
through changes in cell size and photosynthetic activity, although responses to
interactions between light, temperature and herbicides are species-specific (Gomes
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and Juneau 2017). Moreover, the uptake of herbicides by phytoplankton species can
occur extremely rapid, with nearly 90% of the total uptake occurring within the first
hour of exposure of the algae (Tang et al. 1998), indicating that short pulse exposures
occurring after runoff or spill events can rapidly affect phytoplankton communities.

The uptake of herbicides by the roots of aquatic macrophytes occurs also fast,
with various phenylureas (range log KOW 1.0–3.7) reaching an equilibrium in
Lagarosiphon major within 24 h of exposure (de Carvalho et al. 2007b). The uptake
of herbicides by aquatic plants occurs often by partitioning of the compound over the
cell membrane (Hsu and Kleier 1996). Accumulation of herbicides in aquatic plants
is described well for most non-ionized compounds by equilibration into the aqueous
phase in the plant cells together with partitioning onto the plant solids; however, the
uptake of some herbicides (isoproturon and chlorotoluron) was better explained
using solvation descriptors (de Carvalho et al. 2007b). These herbicides are taken
up by specific binding at their site of action in the plant. The uptake of the herbicide
isoproturon was ascribed to specific binding to the D1 protein of the photosynthetic
PSII complex (Feurtet-Mazel et al. 1996). According to Knuteson et al. (2002), the
age of the plant also influences the uptake rate of herbicides, since 4-week-old
aquatic plants took up more simazine than 2-week-old plants. However, the tissue
burden normalized for plant biomass was lower in the older plants (Knuteson et al.
2002).

Rooted aquatic plants can take up herbicides via both the roots and the leaves,
with herbicide-specific differences in relative uptake rates between shoot and root
(Turgut and Fomin 2002; Turgut 2005). The uptake by the roots was related linearly
to the external herbicide concentrations over a wide concentration range, implying
that transport across the membrane proceeds via non-facilitated diffusion (Devine
et al. 1987). Briggs et al. (1982) reported a very strong relationship between the
lipophilicity (log KOW) of compounds and the transpiration stream concentration
factor (TSCF). However, this was only applicable to emergent aquatic macrophytes,
since submerged aquatic plants do not experience leaf transpiration (Turgut 2005).
Still, a high KOW value increased the uptake rate of sediment-associated herbicides
via the pore water due to the high lipid content of macrophytes (Jones and Winchell
1984; Guilizzoni 1991; Cedergreen et al. 2005). In contrast, the more polar herbi-
cides are rapidly taken up by macrophyte roots directly from the pore water
(Burešová et al. 2013).

Translocation of nutrients and energy, but also other compounds, plays an
important role in the exchange between shoots and roots of macrophytes. After the
contact of herbicides to macrophytes has been established, they can either act as
contact herbicides (e.g. diquat) and be non-mobile, i.e. only affecting the part of the
organisms that it comes into contact with, or act as systemic herbicides
(e.g. glyphosate and imazapyr) and be mobile, i.e. can be translocated through the
organisms via the phloem or xylem (Netherland 2014). Contact herbicides only
influence the plant parts directly exposed to the herbicide, like floating and emergent
parts when exposed to herbicide spraying (Lockhart et al. 1989), with potential
regrowth possible from non-exposed plant parts. Translocation through the plant via
the phloem or xylem enables the systemic herbicides to affect all parts of the plant,
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limiting recovery or regrowth from stored resources in belowground parts. After a
rapid uptake of linuron by Elodea canadensis and Myriophyllum spicatum shoots,
translocation to the roots of this herbicide occurred within 1–3 days (Diepens et al.
2014a). After atrazine exposure of Hydrilla verticillata in solution, Hinman and
Klaine (1992) observed that uptake and release approached equilibrium within 1 and
2 h for shoot and root tissue, respectively. Translocation of compounds through the
plant is directly related to their water solubility (Hinman and Klaine 1992). Trans-
location of three analogues of phenylurea herbicides in Myriophyllum aquaticum
was passive and reached optimal efficiency for herbicides with a log KOW value of
around 1.8 (de Carvalho et al. 2007a). Heine et al. (2015) developed a mechanistic
model of toxicokinetic processes to predict the uptake and the elimination of
herbicides, as well as the distribution processes between plant compartments (leaves,
stems, roots) of M. spicatum. Their results showed that toxicokinetic patterns were
mainly based on two chemical-specific parameters: the cuticular permeability and
the plant/water partition coefficient.

Besides translocation of herbicides to different plant parts or cell structures,
detoxification can occur after the uptake of herbicides by aquatic primary producers.
Uptake by aquatic plants can accelerate degradation of the herbicide by metabolic
processes (Fernandez et al. 1999; de Carvalho et al. 2007b). Glutathione-S-trans-
ferases are the main group of enzymes involved in this process by conjugating
herbicides with tripeptide glutathione (Dhir et al. 2009). The biodegradation mech-
anism for metabolism of simazine probably involves dealkylation into
hydroxysimazine followed by storage of end products in vacuoles (Knuteson et al.
2002). In this way, there is an interaction between the influence of exposure of
aquatic primary producers to herbicides and the removal of herbicides by these
species. Differences in sensitivity and mechanisms to deal with herbicides can
therefore influence overall species composition in areas prone to herbicide exposure
(Gomes and Juneau 2017).

Toxicokinetic/toxicodynamic (TKTD) models provide a conceptual framework
to better understand the causes for species-specific sensitivities to a single com-
pound, as well as the causes for different toxicities of different compounds to a single
species (Ashauer and Escher 2010). TKTD models are based on the principle that
processes influencing internal exposure of an organism (TK) are separated from the
processes that lead to damage and effects (TD) (EFSA PPR 2018). TKTD models
appear furthermore advantageous in terms of gaining a mechanistic understanding of
the chemical mode of action and deriving time-independent parameters (Baudrot and
Charles 2019). This is especially relevant since exposure time is an important source
of uncertainty, which is associated with chemical-specific toxicokinetic and
toxicodynamic characteristics (Wu et al. 2020). Different types of TKTD models
have been successfully developed, including the general unified threshold model of
survival (GUTS) and models for primary producers (EFSA PPR 2018; Baudrot and
Charles 2019). For aquatic primary producers exposed to pesticides, TKTD models
have been developed for algae, Lemna and Myriophyllum (EFSA PPR 2018).
Although TKTD models are species- and compound-specific, toxicity data can be
used derived from both standard test species and additional species for model
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calibrations. However, for validation of TKTD models, compound-specific and
species-specific datasets from independent refined-exposure experiments are
required.

3 Toxicity of Herbicides to Aquatic Primary Producers

3.1 Mode of Action of Herbicides

There is a wide diversity of herbicides that have been synthesized to attack specific
biochemical targets in plants. In an attempt to classify herbicides by mode of action,
a system of 22 different categories is often used (Sherwani et al. 2015). Here we
present a simplified classification specifying only eight categories (Plant and Soil
Sciences eLibrary 2019; Table 2). Inhibition of photosynthesis can occur through
disruption of various steps in the photosynthetic process (Vonk et al. 2009). Triazine
herbicides, like atrazine, simazine, metribuzin and phenylureas, like diuron, linuron
and isoproturon block the electron transfer in the PSII system (Feurtet-Mazel et al.
1996; Van den Brink et al. 2006), while the herbicide isoproturon reduces the carbon
fixation and oxygen production (Feurtet-Mazel et al. 1996). Plants can also repair the
oxidative damage caused by photosynthesis-inhibiting herbicides, which reduces the
negative effects of these herbicides (Cedergreen et al. 2005). Even a fast reversibility
of photosynthesis inhibition (within hours) has been demonstrated for several
photosynthesis-inhibiting herbicides (e.g. Snel et al. 1998). Plant hormone-
disrupting herbicides, comprised of 2,4-D, 2,4,5-T, picloram, clopyralid and

Table 2 Classification of herbicides by mode of action

No. Class (mode of action) Examples of compound groups
Example of active
ingredient

1 Amino acid synthesis
inhibitors

Sulfonylureas, imidazolones,
triazolopyrimidines, epsp synthase
inhibitors

Glyphosate

2 Seedling growth inhibitors Carbamothiates, acetamides,
dinitroanilines

EPTC

3 Growth regulators (inter-
fere with plant hormones)

Phenoxy-acetic acids, benzoic acid,
carboxylic acids, picolinic acids

2,4-D

4 Inhibitors of
photosynthesis

Triazines, uracils, phenylureas,
benzothiadiazoles, nitriles, pyridazines

Atrazine

5 Lipid synthesis inhibitors Aryloxyphenoxypropionates,
cyclohexanediones

Sethoxydim

6 Cell membrane disrupters Diphenyl ethers, aryl triazolinones,
phenylphthalamides, bipyridilium

Paraquat

7 Inhibitors of protective
pigments

Isoxazolidinones, isoxazoles,
pyridazinones

Clomazone

8 Unknown Compounds with proven herbicide
efficacy but unknown mode of action

Ethofumesate
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triclopyr (Van den Brink et al. 2006), are especially hazardous to vascular plants,
having auxin hormones that regulate their growth, in contrast to other groups of
primary producers, like unicellular algae, that lack these hormones (Belgers et al.
2011). Since many of the herbicides that influence the plant hormone system are
auxin stimulators, exposure to these herbicides might initially increase the growth
rate of plants instead of decreasing it (Van den Brink et al. 2006).

3.2 Standardized Toxicity Tests with Aquatic Primary
Producers

Most herbicides have been developed to be selective, i.e. to be phytotoxic to the
competing non-crop plants, but not to the crop plants. This resulted in a wide variety
of modes of action (Table 2). Accordingly, significant differences in toxicity to
aquatic primary producer species are to be expected. Consequently, appropriate test
species should be proposed, covering all presently known modes of action of the
currently applied herbicides. Several standardized guidelines were proposed by
organizations such as the OECD (Organisation for Economic Co-operation and
Development), ASTM (American Society for Testing and Materials), USEPA
(United States Environmental Protection Agency) and ISO (International Organiza-
tion for Standardization), which are globally used for hazard and risk assessment.
Most of these guidelines outline toxicity tests to determine the effects of hazardous
herbicides on single species. For regulatory purposes, the majority of the toxicity
tests are done according to freely available OECD or USEPA guidelines. However,
the guidelines of the ISO and the ASTM were not freely available. Therefore, the
guidelines from these organizations could not be evaluated completely, and only
limited information about the species, endpoints and test methods were available.
Among the standard guidelines, 18 tests consider aquatic primary producers
(Table 3). In 9 of the 18 standardized guidelines with aquatic primary producers
provided by the USEPA, ISO, OECD and the ASTM, the standard test species were
algae, including diatoms, green algae and cyanobacteria. In five tests floating
macrophytes have been selected as test organisms, all consisting of duckweed
species. Submerged macrophytes have been selected in four tests and emergent
macrophytes in only one test (Table 3). In addition, only two tests included sediment
toxicity by selecting rooting plant species. Hence, among the available tests, there is
a bias towards algae compared to macrophytes, while the few available macrophyte
tests largely ignore the sediment as environmental compartment of concern. One
reason for the relative lack of sediment tests is the usually perceived lower toxicity of
herbicides in sediment tests compared to water-only tests. However, partitioning of
herbicides to the sediment can result in exposure via root uptake (OECD 2014b) and
enhanced toxicity in sediment tests compared to water-only tests. Hence, the paucity
of tests with rooting macrophytes leaves the effect of contaminated sediments on
aquatic primary producers largely unknown. Another knowledge gap concerns
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marine species that are often neglected. Only three standard guidelines were pro-
posed to test the effects of polluted marine waters on primary producers (Table 3).
Moreover, no standard guidelines at all were proposed to test the effect of polluted
marine sediments.

Outdoor microcosms and mesocosms can be an important tool in bridging the gap
between lower-tier and higher-tier laboratory studies (single-species and multi-
species) and in attempting to understand, predict and confirm what may occur in
the natural environment upon herbicide exposure (Coors et al. 2006; OECD 2006c).
Various guidance documents have been developed for summarizing and harmoniz-
ing the results of micro- and mesocosm studies (e.g. Giddings et al. 2002; OECD
2006c; De Jong et al. 2008), because of the unique nature of each microcosm or
mesocosm study in at least some aspects of the experimental design (OECD 2006c).
In comparison to standardized toxicity tests, microcosm and mesocosm studies can
include (1) multiple species, functional groups or habitat types, (2) more environ-
mentally realistic exposure conditions and (3) the impact on structural and functional
attributes of natural ecosystems (OECD 2006c). When studying the impact of
herbicides on aquatic macrophytes, special efforts are required to establish a diverse
and representative community (Giddings et al. 2002). Still, not all ecological rele-
vant processes can be included in mesocosm studies. Due to the isolate character of
mesocosms, external recovery and avoidance will not be taken into account (De Jong
et al. 2008). Finally, the chosen environmental conditions in mesocosms, such as
nutrient availability and substrate, can influence the effects of herbicides (cf. Dalton
et al. 2015).

3.3 Selected Endpoints in Standardized Toxicity Tests
with Aquatic Primary Producers

An obvious condition for herbicides to be effective is that they are actually taken up
by the primary producers. Accumulation after uptake and translocation to specific
cell organelles or plant tissue can result in increased herbicide concentrations at
target sites in primary producers. Although elevated concentrations in primary pro-
ducers are indicative of the presence of bioavailable herbicides, this does not
necessarily imply that adverse effects on these organisms occur. Measurements
assessing the accumulation of herbicides in aquatic primary producers can therefore
be best combined with one or more biological endpoint assessments. The most
frequently used endpoints in toxicity tests with primary producers are growth-
related effects. These endpoints are the most relevant for ecological risk assessment
and are independent of the herbicides’ mode of action. Other endpoints like enzyme
activities or photosynthesis provide insight into the mode of action of the herbicide,
but may be less relevant for ecological risk assessment. Yet, photosynthesis is the
most essential metabolic pathway for primary producers, and therefore photosyn-
thesis inhibition is the mode of action of many herbicides, whereby different steps in
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the photosynthetic pathway can be targeted. Hence, photosynthesis is relevant for
assessing acute effects on the chlorophyll electron transport and can be assessed
using pulse-amplitude modulation (PAM) fluorometry or from oxygen production or
carbon fixation.

Growth represents the accumulation of biomass of primary producers. Growth
inhibition is the most important endpoint in test with primary producers, since this
endpoint integrates responses of a wide range of metabolic effects into a whole
organism or a population response. However, it takes longer to assess, especially for
larger primary producers. Cell counts; increase in size over time for either leaves,
roots or whole organisms; and (bio)mass (fresh weight and dry weight) are the
growth endpoints mostly used. Although area under the growth curve based on cell
counts is a sensitive endpoint for both freshwater and marine algae (Hampel et al.
2001), assessing inhibition of growth rate is preferred over inhibition of biomass,
since the latter is more affected by deviations in test conditions among studies
(Bergtold and Dohmen 2011). For vascular aquatic plants, not only growth is a
relevant endpoint but also endpoints specifically related to various life stages.
Flowering and seed production are relevant endpoints for certain floating and
emergent plant species, although vegetative reproduction is omnipresent in aquatic
primary producers. Seedling emergence and early development of seedlings into
plants are especially relevant for perennial and biannual aquatic plants (Muller et al.
2001). Successful germination of aquatic plants after seed dispersal can help to
disperse species and to maintain healthy populations. For terrestrial plants seedling
emergence tests are available (e.g. OECD 2006a; USEPA 2012e); however, no
standardized seedling emergence test is currently available for aquatic plants.
Other relevant endpoints for aquatic primary producers include elongation of differ-
ent plant parts (e.g. roots), necrosis of leaves and disturbances in plant-microbial
symbiont relationships (e.g. Mynampati et al. 2015).

Since the selected endpoint can influence the outcome of the toxicity test (Eklund
and Kautsky 2003; Cedergreen et al. 2005), it is recommended to combine several
endpoints in a single test. After exposure to herbicides influencing plant elongation
(e.g. auxin stimulators), shoot length can be increased compared to control plants
(Van den Brink et al. 2006), which is not especially beneficial to aquatic plants since
this my limit their hydrodynamic resistance and further development. Growth and
change in biomass or abundance are therefore generally considered to be the most
robust endpoints (Knauer et al. 2006; Maltby et al. 2009; Bergtold and Dohmen
2011), showing the overall result of alterations in plant metabolic pathways by
herbicides. An additional advantage is that growth can be calculated for any species,
including population growth in the case of algae, facilitating the comparison of
species-specific sensitivities between aquatic primary producers. Challenges to
improve ecotoxicity tests with aquatic primary producers would be to include
more sensitive and early response endpoints and to relate these endpoints to impact
on growth, development and biomass of aquatic primary producers. Also, the
development of ecotoxicogenomic endpoints (e.g. metabolomics) in the field of
plant ecotoxicity tests would enable us to determine effects on a wider range of
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plant metabolic pathways. However, quantifying the effects on these metabolic
pathways in terms of overall productivity of primary producers is not yet possible.

The OECD proposed growth inhibition and yield of total shoot length, fresh
weight and dry weight as endpoints for a sediment-free test and additionally qual-
itative observations of symptoms such as chlorosis, necrosis and growth deformities
for a water-sediment test with rooting macrophytes (OECD 2014a, b). For this group
of primary producers, somatic endpoints like total plant length, main shoot length,
fresh weight and root length are more sensitive than pigment endpoints, similar as
for floating macrophytes (Hanson et al. 2003; Brain et al. 2004; Knauer et al. 2006).
For soil and sediment exposure of aquatic plants to herbicides, development of
endpoints related to root morphology and root metabolism could provide insights
into early impact of herbicides on exposed plant parts. For auxin-type acting
herbicides, root endpoints are the most sensitive somatic endpoints for rooting
macrophytes (Hanson et al. 2003; Arts et al. 2008). However, development of
belowground endpoints is still challenging since root development is also strongly
impacted by available nutrients and redox conditions in the sediment (Barko et al.
1991; Boros et al. 2011).

3.4 Sensitivity of Aquatic Primary Producers to Herbicides

All herbicides are extensively tested before they can be applied in the environment.
For this review, we merged the available EC50 data of aquatic primary producers
used for the regulatory assessment of herbicides in Europe, mainly from the EFSA
website (European Food and Safety Authority; http://www.efsa.europa.eu/; accessed
Feb 2020) and from the USEPA ECOTOX knowledgebase (https://cfpub.epa.gov/
ecotox/, accessed Feb 2020). The selected herbicides were the most commonly
encountered herbicides mentioned in Table 1 and supplemented with 2,4-D (CAS
94757), dicamba (CAS 1918009) and triclopyr (CAS 55335063), three commonly
analysed herbicides in the environment which act as synthetic auxin growth regula-
tors (Ensminger et al. 2013). On the EU regulatory websites, limited or no data were
present for the herbicides that were not approved or even banned (atrazine, irgarol,
metolachlor, simazine, simetryn and terbutryn) in Europe. From the USEPA
ECOTOX database, we first selected laboratory tests on plant species with water
as exposure medium (freshwater and marine) and EC50 values at the individual or
the population level (abundance, (bio)mass and (population) growth rate), excluding
short-term physiological endpoints like photosynthetic activity. Exposure types
‘renewal’ and ‘flow through’ as well as all EC50 values reported as ‘NR’ were
removed. To use as much of the available data as possible, no distinction was made
between nominal, initial measured and mean measured concentrations during the
test. Incorrectly mentioned media types for some species (wrongly placed in either
saltwater or freshwater) were corrected, and in the case of multiple EC50 values
from a single combination of species and study, the average EC50 was calculated.
The available effect concentrations were grouped by generic endpoint, e.g. growth
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included length, yield and biomass. Species were then divided into freshwater
(§4.4.1; Supplement Table S1) and marine (§4.4.2; Supplement Table S2). For
sediment-associated herbicide exposure, we searched for aquatic tests on plant
species and terrestrial tests on algae, in both cases using sediment and soil as
exposure medium, respectively, applying the same criteria as mentioned above.

3.4.1 Sensitivity of Freshwater Primary Producers to Herbicides

The inventory of the available ecotoxicity data, expressed as EC50 values with
abundance, (bio)mass and (population) growth rate as endpoints, revealed that the
most frequently tested herbicides were atrazine, simetryn, diuron and metolachlor,
followed by irgarol, isoproturon, simazine, 2,4-D, acetochlor and MCPA (Table 4).
In total, 109 freshwater taxa belonging to 66 genera were tested, the most frequently
selected test genera being the algae Pseudokirchneriella (synonym of Raphidocelis,
previously also classified as Selenastrum or Ankistrodesmus; www.algaebase.org)
and Chlorella and the floating macrophyte Lemna. The toxicity of each herbicide
varied substantially (Table 4), with the lowest effect concentration observed for
irgarol (EbC50 0.09 μg/L) and the highest for mecoprop (ErC50 729 mg/L). Toxicity
data varied most for acetochlor, ranging from 0.0003 mg/L to 110 mg/L, hence a six
orders of magnitude difference, followed by atrazine, irgarol and mecoprop with a
five orders of magnitude difference between the lowest and highest EC50. But also
for other herbicides (2,4-D, metazachlor and metolachlor), an around four orders of
magnitude difference between the highest and lowest effect concentration was not
uncommon. Only for bentazon the range in effect concentrations was quite small,
and these EC50 values were all relatively high (3.88–42.5 mg/L). In spite of these
wide ranges in effect concentrations, we calculated the median of the available data,
which allowed a general ranking of the toxicity of the herbicides. Based on median
EC50 values, irgarol, terbutryn, terbuthylazine, flurtamone and simetryn were the
most toxic herbicides (Table 4). On the other hand, the highest median effect
concentrations were obtained for mecoprop, triclopyr, MCPA, 2,4-D and bentazon,
indicating that these herbicides were the least toxic to aquatic primary producers.

Considering the species-specific sensitivities to the 18 herbicides included in our
analyses, hardly any pattern was observed. Generally, the most sensitive as well as
the least sensitive species differed per herbicide. Pseudokirchneriella subcapitata
(¼Selenastrum capricornutum) was the most sensitive and the least sensitive species
for one third of herbicides (i.e. six) included in our study. Chlorella sp. was least
sensitive to three herbicides, but most sensitive to isoproturon, while Anabaena flos-
aquae was most sensitive to two herbicides and least sensitive to one herbicide. For
five herbicides, macrophytes showed the highest sensitivities, while for two herbi-
cides, macrophytes were the least sensitive aquatic primary producers. Dividing the
EC50 values obtained for aquatic primary producers into algae and macrophytes
showed a large difference in available data, i.e. 456 values for algae but only
95 values for macrophytes. Consequently, most of the general patterns for aquatic
primary producers described above related to the responses of algae. In fact, only for
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11 herbicides, at least 4 EC50 values were available for macrophytes. However,
ranking these herbicides based on median EC50 values showed a similar ranking for
algae and macrophytes.

The wide variety in effect concentrations per herbicide are due to species-specific
sensitivities, but also due to variation in effect concentrations within the same
species, among others caused by differences in exposure time between the various
studies (Thompson and Couture 1991), but also on the lack of information on the
used exposure metrics (nominal, measured initial or mean concentration). To dis-
tinguish these two sources of variation, effect concentrations may be best compared
per herbicide and per exposure time between species. This reduces the accompany-
ing margins of uncertainty extensively, as shown for atrazine, the herbicide for
which most toxicity data are available. Generally, at a given exposure time, the
maximal variability in effect concentrations for a specific herbicide per species was
reduced to approximately a factor of 10. Moreover, considering the toxicity of the
herbicides per exposure time also allowed to evaluate if and how much the toxicity
of the herbicides increases with increasing exposure time, although this may be
masked by the use of different exposure metrices.

If enough toxicity data are available for a specific herbicide at a given exposure
time, these can best be visualized and evaluated by species sensitivity distributions.
A SSD is a distribution describing the variance in sensitivity of multiple species
exposed to a hazardous compound. A SSD curve can be used to derive a so-called
hazardous concentration on the X-axis: a benchmark concentration that can be used
as regulatory criterion to protect the environment. By selecting a protection level on
the Y-axis, representing a certain fraction of species affected (e.g. 5%), one derives
the compound-specific hazardous concentration 5 (HC5). The obtained EC50 values
(Supplement Table S1) were combined to construct SSDs using a SSD generator
(USEPA 2016). The available effect concentrations were grouped by generic end-
point, e.g. growth rate (ErC50), yield (EyC50) and biomass (EbC50). Since algal
ecotoxicity data were significantly more available than macrophyte data, we first
constructed SSDs based on algae. In addition, we could also construct SSDs for
macrophytes for atrazine and metolachlor. An overview of the calculated HC5
concentrations for the most frequently observed herbicides per exposure time is
provided in Table 5.

For nine herbicides (acetochlor, atrazine, diuron, irgarol, isoproturon, MCPA,
metolachlor, simetryn and simazine), enough ecotoxicity data (either EbC50, ErC50
or EyC50) were available to construct SSD curves for 4 days of exposure, the
exposure time that had most herbicides in common (Table 5). Comparing the HC5
values derived from these SSDs allowed a clear ranking of the herbicides (Fig. 2),
with irgarol being the most toxic one (HC5 0.31 μg/L), followed by diuron
(0.35 μg/L), isoproturon (4.4 μg/L), simetryn (5.4 μg/L), atrazine (6.9 μg/L),
acetochlor (11.0 μg/L), simazine (35.4 μg/L), metolachlor (97.3 μg/L) and MCPA
(11.6 mg/L). This ranking only partly matched the one based on the rough estimates
derived from Table 4, underlining that the precise and detailed analysis of the
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ecotoxicity data by means of constructing SSD curves is the only reliable way to
compare herbicides and exposure times. Yet, SSDs are data hungry, requiring
preferably at least EC50 values for eight different species (EFSA PPR 2013),
although for the present study we went down to five data points.

Since atrazine was the most frequently studied herbicide, enough algae data were
available to construct SSDs for 1, 2, 3, 4 and 5d of exposure. The median HC5 values
derived from these SSD curves ranged from 4.4 to 32.6 μg/L (Fig. 3a), but these
values were not related to the exposure time (ANOVA F1,4 ¼ 1.257, p ¼ 0.69).
Although only algal species were included in this analysis, differences in test species
per exposure times could have contributed to the variation in these median HC5
values. For six other herbicides, we could calculate HC5 values based on algal
species for two different exposure times. As for atrazine, no difference in HC5
values between exposure times was observed for simazine (Fig. 3f), simetryn
(Fig. 3g) and irgarol (Fig. 4B). This is most likely due to the direct mode of action
of these herbicides, all interfering with photosynthesis. Apparently, the herbicide
concentration at the target site and the expression of the toxic effect takes already
place within the shortest exposure time (1 d). In contrast, for herbicides that need
more time to build up lethal concentrations and that are characterized by slower time-
to-events EC50 values, SSD curves and HC5 values decrease with increasing
exposure time (Schroer et al. 2004; Roessink et al. 2006). In the present study, this
decrease in HC5 values was observed for the herbicides diuron (Fig. 3b) and
isoproturon (Fig. 3c). For MCPA, a contrasting pattern in HC5 values was obtained
(Fig. 3d). Finally, comparing HC5 values for different groups of aquatic primary
producers showed that the sensitivity to atrazine was comparable for macrophytes
after 14d exposure and algae after 1d to 5d exposure (Fig. 3A). This is also reflected
by the HC5 values obtained from both groups after 7d exposure. Contrastingly,
sensitivity of macrophytes to metolachlor (14d exposure) was around one order of
magnitude higher compared to algae (4d exposure; Fig. 3E).
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Fig. 2 Order of increasing toxicity of herbicides to freshwater algae, based on HC5 values
(median � 90% CI) derived from ecotoxicity tests after 4 days of exposure to the compound
(Overview of the studies and species included in the SSDs in Supplement Table S1)
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The wide range of effect concentrations per herbicide and the rather random
distribution of the species being the most or the least sensitive one underline the
urgent need to test different species, certainly more than one. The OECD and
USEPA guidelines contain standard information on parameters like temperature
and light conditions, but these may vary between the reported studies. The observed

0

100

200

0 2 4

H
C

5 
(u

g 
Si

m
az

in
e/

L)

Exposure time (d)

0
3
6
9
12
15

0 4 8

H
C

5 
(u

g 
Si

m
et

ry
n/

L)

Exposure time (d)

0

20

40

60

80

100

0 5 10 15

)L/enizart
A

gu(
5

C
H

Exposure time (d)

algae
algae & macrophytes
macrophytes

1

10

100

1000

0 5 10 15 H
C

5 
(µ

g 
M

et
ol

ac
hl

or
./L

)

Exposure time (d)

1

10

100

0 2 4
Exposure time (d)

0.01

0.1

1

10

0 2 4

)L/norui
D

gu(
5

C
H

Exposure time (d)

b)

a)

e)

2 4

)L/norutorpo sI
gu(

5
C

H

Exposure time (d)

1
10

100
1000

10000
100000

0 2 4

)L/
AP

C
M

gu(
5

C
H

Exposure time (d)

c)

d)

Exposure time (d)
f)

g)

µ
µ

µ

µ
µ

Fig. 3 Overview of HC5 values (median � 90% CI) derived from SSD curves per exposure time
for (a) atrazine, (b) diuron, (c) isoproturon, (d) MCPA, (e) metolachlor, (f) simazine and (g)
simetryn. (Overview of the studies and species included in the SSDs in Supplement Table S1)

Herbicide Exposure and Toxicity to Aquatic Primary Producers 145



species-specific sensitivities can therefore also at least partly be attributed to the
testing methods. For example, light conditions can have a strong influence on the
sensitivity of aquatic primary producers, but this confounding effect differs between
herbicides. The extent of the light-saturated region of photosynthesis of a species is
modulated by a number of factors (e.g. availability of carbon dioxide, temperature,
developmental stage, etc.), and these factors also influence the sensitivity of aquatic
primary producers to herbicides (Snel et al. 1998). Comparing the sensitivity of ten
aquatic macrophytes under low light intensity (irradiance 200 μmol/m2/s) and high
light intensity (irradiance 550 μmol/m2/s), Cedergreen et al. (2004) showed that the
sensitivity of the macrophytes, expressed as mean HC5 values based on EC50 values
14d of repeated exposure, decreased for terbuthylazine (11 and 39 μg/L, respec-
tively), but increased for metsulfuron-methyl (0.031 and 0.014 μg/L, respectively).
In situ, this means that an individual plant in full sunlight might be nearly unaffected,
while another plant of the same species in the shade might be affected to a much
greater extent by a single herbicide with a photosynthesis II inhibition mode of
action (Snel et al. 1998). Also, Sjollema et al. (2014) showed that the toxicity of
diuron and irgarol to the marine flagellate was higher under simulated spring
irradiance than under autumn irradiance, which indicates that herbicide toxicity in
the field is also seasonally variable. This clearly shows that the sensitivity of aquatic
primary producers to herbicides is also depending on their metabolic activity, hence
the strict set of standardized test conditions used in regulatory assessment of
herbicides.
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3.4.2 Sensitivity of Marine Primary Producers to Herbicides

For marine primary producers, 98 EC50 values for the endpoints abundance
(EyC50), biomass (EbC50) and growth rate (ErC50) of mainly algae were obtained
for 11 herbicides, and only a single macrophyte was tested (Supplement Table S2).
Hence, far less studies have tested the effects of a lower diversity of herbicides on
marine macrophytes and algae (Table 6) compared to freshwater primary producers.
The only macrophyte included was Zostera marina, which was tested for only two
herbicides (irgarol and diuron) (Chesworth et al. 2004), while microalgae were much
more frequently represented. Consequently, only the sensitivities of algae to the
most frequently detected and studied herbicides could be compared. Moreover, for
several herbicides, data for only one or two marine species were available
(acetochlor, bentazon, dicamba, metolachlor and terbuthylazine), leaving only five
herbicides that were tested on more than one species. This strongly hampers the
identification of species-specific and herbicide-specific sensitivities in the marine
environment.

The inventory of the available marine ecotoxicity data revealed that the only
extensively tested herbicides were 2,4-D, atrazine, diuron, irgarol and simazine
(Table 6). In total 28 marine taxa belonging to 25 genera were tested, about a quarter
of the numbers of freshwater taxa tested. Moreover, the marine genera were
represented by fewer species than the freshwater genera. The only frequently
selected test species (>15 tests) were the algae Skeletonema costatum and Dunaliella
tertiolecta (Supplement Table S2). Also for marine test species, the toxicity of each
herbicide varied substantially (Table 6). The lowest effect concentration was
observed for irgarol (0.1 μg/L), the same value as the lowest effect concentration
observed in the freshwater tests. Similar to freshwater, the highest effect

Table 6 Overview of the sensitivity of marine primary producers to herbicides expressed as EC50
values based on measured abundance, (bio)mass or population growth (Overview of the studies and
species included in the SSDs in Supplement Table S2)

Herbicide

Marine algae

Genera (#) Taxa (#)

ExC50 (mg/L)

(#) median range

2,4-D 5 5 8 48 0.68–75

Acetochlor 1 1 1 0.0051 –

Atrazine 17 17 43 0.069 0.017–0.43

Bentazon 1 1 1 10.1 –

Dicamba 1 1 1 0.49 –

Diuron 11 11 15 0.008 0.0006–0.02

Irgarol 13 14 19 0.0004 0.0001–0.01

Isoproturon 2 2 2 0.04 0.027–0.053

Metolachlor 1 1 1 0.061 –

Simazine 6 6 6 1.8 0.11–12.5

Terbuthylazine 1 1 1 0.031 –
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concentration was observed for 2,4-D (75 mg/L), but this concentration was lower
than the highest effect concentration observed in the freshwater tests (729 mg/L).

Toxicity data varied most for 2,4-D and simazine, for which an around two orders
of magnitude difference for both herbicides was observed. Yet, this range was
substantially smaller than the six orders of magnitude difference observed for
MCPA in freshwater. This is potentially due to the lack of data on marine macro-
phytes, causing the dataset to consist of algae only. Especially for 2,4-D, the range in
effect concentrations was much smaller compared to freshwater primary producers,
and the values were relatively high (EC50 range 0.68–75 mg/L). This indicates that
2,4-D may be considered to be one of the least toxic herbicides to marine algae,
because they are not sensitive to the auxin mode of action of this herbicide. Given the
paucity and the wide range in marine effect concentrations, we refrained from
ranking the herbicides based on their effects on marine primary producers. More-
over, considering the species-specific sensitivities for the five herbicides, also hardly
any pattern was observed.

Given the limited marine ecotoxicity data, only for atrazine and irgarol, SSD
curves could be constructed for 3 and 4d of exposure (Table 5). Similar to freshwa-
ter, no clear relationship was observed between exposure time and the HC5 values
derived from these SSD curves (Fig. 4), with no difference for irgarol and even an
increase in HC5 values for atrazine. Both the 3 and 4d SSD curves showed that
irgarol was at least ten times more toxic to marine algae than atrazine, following the
trend observed for freshwater algae. These HC5 values also showed that irgarol was
more toxic to marine species, whereas atrazine was more toxic to freshwater species.
This shows that the toxicity of herbicides may differ between environmental com-
partments, although this statement is based on two herbicides only and is possibly
biased by testing different taxonomic groups, e.g. more green algae and in freshwater
and more brown and red algae in marine environments. Due to the lack of data, the
ranking of the other herbicides based on their toxicity to marine primary producers
can only be based on the relatively rough estimates listed in Table 5. It is concluded
that toxicity data for herbicides on marine primary producers, especially macro-
phytes, lag behind that of freshwater species and more research is warranted.

3.4.3 Sensitivity of Aquatic Primary Producers to Sediment-Associated
Herbicides

In comparison to exposure through surface water, there is very limited information
available on the sensitivities of aquatic primary producers to exposure to herbicides
via the sediment. Yet, given the accumulation of herbicides in sediments (Haynes
et al. 2000; Devault et al. 2009), rooting macrophytes are expected to be exposed
much more to this source of herbicides than algae or free-floating plants (Lovett-
Doust et al. 1994). Although various rooting macrophytes have been tested, the main
exposure pathway was still often via surface water (e.g. Kemp et al. 1985; Wilson
and Wilson 2010; Ratte and Ratte 2014), and reported differences in sensitivity to
herbicides between rooting macrophytes and other aquatic primary producers were
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consequently often based on surface water exposure. The main species currently
used in standardized sediment toxicity testing is the rooting dicotyledonous
Myriophyllum spp., while monocotyledonous species are mainly mentioned as
suitable test species but not actually tested (Davies et al. 2003; OECD 2014b). In
the USEPA ECOTOX database, there were only a few studies reporting the sensi-
tivity of rooting macrophytes to exposure to herbicides through sediment
(e.g. Burešová et al. 2013).

Given the low number of available studies, the sensitivity of aquatic primary
producers to contaminated sediments is hard to compare with the sensitivity to
contaminated waters. Burešová et al. (2013) reported the effects of linuron on
M. spicatum in sediment-dosed test systems, with EC50 values for various endpoints
ranging from 11.6 to 16.9 mg linuron/kg sediment. Since Myriophyllum can take up
linuron through the roots, pore water effect concentrations provided relevant values
for describing the effects on this rooting aquatic macrophyte and allowed a compar-
ison of sediment pore water and surface water effect concentrations (Burešová et al.
2013). This comparison showed that the mean effect concentration (EC50) for plant
biomass was about one order of magnitude higher in pore water in sediment-dosed
systems (1,115 μg/L; Burešová et al. 2013) compared to the overlying water in
water-dosed test systems (137 μg/L; Kemp et al. 1985). Yet, taken into account the
much lower root biomass (5–20% of plant biomass forM. spicatum; Cao et al. 2012)
compared to the shoot biomass (80–95%), the total exposed plant biomass was about
one order of magnitude lower in the sediment-dosed test systems.

Responses of rooting plants to herbicide exposure through the sediment are
expected to be most strongly in their belowground parts, since in this case these
parts of the plant are most directly exposed to the herbicide. Sensitivity of
Vallisneria americana to sediment-associated contaminants could be assessed by
changes in their shoot-to-root ratios, with plants grown in sediments contaminated
with organic compounds having larger shoot-to-root ratios compared to plants
grown in cleaner sediments (Biernacki et al. 1997). Although root endpoints were
more sensitive than shoot endpoints for M. spicatum exposed to linuron via sedi-
ment, shoot biomass declined more (1.8x lower than control) compared to root
biomass (1.5x lower; Burešová et al. 2013). Generally,Myriophyllum species appear
to have a large variation in shoot-to-root ratios, also strongly influenced by the type
of sediment used, the length of the initial cutting and the incubation time (Knauer
et al. 2006, 2008). Examples for emergent rooting plants are scarce, with rice (Oryza
sativa) showing a more sensitive response in the shoots compared to the roots to
sediment-associated herbicides (Brinke et al. 2015).

Benthic biofilms and microalgae living on the top layer of the sediment are
exposed via the overlaying water and to sediment-associated herbicides. The uptake
of herbicides from the sediment by microalgae is even more direct than that by
higher organisms (Diepens et al. 2014b). The uptake of herbicides from the sediment
matrix is diffusion-driven and relatively fast for microalgae due to the much higher
surface area-to-volume ratio compared to macrophytes. This pathway of uptake also
implies that freely dissolved pore-water concentrations are the most relevant dose
metric for tests with benthic microalgae (Diepens et al. 2014b). Only a few studies

Herbicide Exposure and Toxicity to Aquatic Primary Producers 149



compared the herbicide sensitivity of algae living on the top layer of sediments, but
some information is available for microalgae living in agricultural soils. Pipe and
Cullimore (1984) showed that diuron, monuron and chloroxuron were more toxic to
the soil diatom Hantzschia than chlortoluron and linuron. Atrazine application
changed the species composition of the soil diatom communities in agricultural
fields, with short-term ecotoxicity tests showing that the communities that had
developed under herbicide stress were more tolerant to further atrazine application
than the control communities (Bérard et al. 2004). Diatoms living on top of the
sediment are the main aquatic primary producers in streams, but their exposure to
herbicides has focused entirely on surface water contaminants (Debenest et al.
2010). Eutrophic and small diatom species were the most tolerant growth forms to
atrazine, irgarol and isoproturon exposure (Debenest et al. 2010). Furthermore,
diatom communities that include species capable of switching from autotrophic to
heterotrophic modes when photosynthesis is inhibited (e.g. after herbicide exposure)
can continue to grow, even in the presence of high concentrations of herbicides
(Debenest et al. 2010).

It is concluded that the largest knowledge gap concerns the effects of sediment-
associated herbicides on primary producers. This is remarkable, since chemical
pollution of water bodies in the past resulted in high concentrations of toxicants in
sediments (De Deckere et al. 2011), and where regulations strongly improved
chemical water quality (De Deckere et al. 2011), sediments are considered to be
the largest chemical repositories on earth (Borja et al. 2004). Consequently, sedi-
ments are the most relevant environmental compartment to link adverse effects on
biota to toxicants (Borja et al. 2004). Although a proposal for a risk assessment of
sediment-associated herbicides is provided by the EFSA PPR (2015), an extensive
catch-up must be made concerning contaminated sediment and sediment-associated
herbicide toxicity to primary producers.

3.5 Mixture Toxicity of Herbicides to Aquatic Primary
Producers

Mixture toxicity should be taken into account, since herbicides are frequently
applied in mixtures and mostly occur jointly in the aquatic environment (Schreiner
et al. 2016; Moser et al. 2018). Various studies have evaluated the relative contri-
bution of different pesticide groups to risks to aquatic communities. Although
insecticides (especially the highly toxic pyrethroids) generally play a large role in
the direct effects of mixtures on aquatic communities, herbicides also contribute
substantially. From a nationwide screening of rivers in Swiss using liquid
chromatography-high-resolution mass spectrometry, Moschet et al. (2014) calcu-
lated that herbicide mixtures made up 60–80% of the total risk of pesticides together
in the rivers. However, the pyrethroids were not included in the analysis, while
fungicides were not considered in the risk assessment based on three organism
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groups (plants, vertebrates and invertebrates). Mixture effects of herbicides and
fungicides on aquatic primary producers should also be taken into account, since
fungicides may affect algae as well (Guida et al. 2008) and their risk to aquatic
primary producers may be underestimated (Reilly et al. 2012).

For herbicides with the same mode of action, concentration addition has been
observed for algal community responses (Arrhenius et al. 2004). Hence, the only
difference between the herbicides in the mixture is the relative potency of the
compounds, and a mixture of herbicides with the same mode of action thus poses
a concentration additive effect on primary producers (Backhaus et al. 2004). Devi-
ations from concentration addition can be seen as a first indication of the herbicides
in the mixture having a different mode of action. Herbicides with the same mode of
action often act on a set of biological pathways related to a specific metabolic
process, e.g. photosynthesis. Still there are many pathways involved in most meta-
bolic processes, so herbicides with a specific mode of action (e.g. photosynthesis
inhibition) can act on different molecular targets. Different photosynthesis-inhibiting
herbicides can thus still have different mechanisms of action (Busch et al. 2016). For
photosynthesis-inhibiting herbicides, this mechanism is often known, but for many
other types of herbicides, it is often difficult to assess the exact mechanism of action
in different groups of aquatic primary producers (Vonk et al. 2009).

The effects of herbicide mixtures on aquatic primary producers show variation,
depending on the used herbicide combinations, test species and endpoints assessed.
We have separated here studies using growth or biomass as endpoint and studies
using various endpoints related to photosynthetic activity. Faust et al. (1993) tested
29 binary mixtures of 9 different herbicides on the unicellular green algae Chlorella
fusca over 24 h development, and for 85% of the mixtures, results were consistent
with concentration additivity. This was also observed for growth inhibition in
Pseudokirchneriella subcapitata following exposure to mixtures of diuron and
hexazinone, while the independent action model underestimated the combined effect
(Hasenbein et al. 2017). Contrary, the independent action model fitted best the
effects of a mixture of atrazine and sulfentrazone on the same microalgae
(P. subcapitata) and on the floating macrophyte Lemna minor (Thorngren et al.
2017), indicating different mechanisms of action for these herbicides.

Results from studies assessing mixture toxicity of herbicides to aquatic primary
producers using photosynthesis endpoints are also providing variable results.
Whether additive responses, synergism or antagonism occurred depended on the
mode of action of herbicides and the relative concentrations of the herbicides in the
mixture. Binary mixtures of herbicides (diuron, tebuthiuron, atrazine, simazine and
hexazinone) exhibited additive toxicity to the microalgae Navicula sp.,
Cylindrotheca closterium, Nephroselmis pyriformis and Phaeodactylum
tricornutum (Magnusson et al. 2010). Sjollema et al. (2014) tested the effect of an
equitoxic mixture of the herbicides irgarol and diuron on photosynthesis of
Dunaliella tertiolecta. Although the mode of action of both herbicides was inhibition
of photosynthesis, a more than additive effect of the herbicides in the mixture was
observed. Photosynthetic activity of the marine cyanobacterium Arthrospira maxima
showed both additive and antagonistic effects when exposed to the herbicides diuron
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and irgarol, depending on the relative concentrations of the herbicides in the mixture
(Kottuparambil et al. 2013). Also for the floating macrophyte Lemna sp., binary
herbicide mixtures (atrazine, diuron, simazine and hexazinone) resulted in both
additive and antagonistic effects on photosynthesis (Kumar and Han 2011). Using
a herbicide mixture of atrazine, diuron and isoproturon, Knauert et al. (2010)
observed concentration additive effects on photosynthetic efficiency in
Myriophyllum spicatum exposed to equitoxic herbicide concentrations.

Besides herbicide mixtures, also a wide variety of other pesticides can be present
in the aquatic environment (e.g. Ensminger et al. 2013). These pesticide mixtures
can exhibit toxic effects on aquatic primary producers. Faure et al. (2012) showed
synergistic phytotoxic effects of a mixture of organochlorines (lindane (HCH),
monochlorobenzene (MCB), 1,4-dichlorobenzene (DCB) and 1,2,4-
trichlorobenzene (TCB)) on the aquatic emergent macrophyte Phragmites australis.
Applied herbicides are often products with two or three different active ingredients
with information available on their mixture toxicity from regulatory testing. How-
ever, in aquatic ecosystems, different events of herbicides application can easily
result in different combinations of active herbicides and potential mixture effects on
aquatic primary producers.

4 Retrospective Site-Specific Risks Assessment
of Herbicides for Aquatic Primary Producers

The application of pesticides always involves exposure of non-target organisms,
which can be reduced by increasing the specificity of the pesticides. In the case of
herbicides, animals can be spared at least to some extent if the herbicides have a
plant-specific mode of action, like most of the categories listed in Table 2, with
photosynthesis inhibition being the most obvious one (Van den Brink et al. 2006).
Yet, non-target primary producers remain equally affected as the target ones, causing
aquatic primary producers to be permanently at risk of herbicide exposure. In a
retrospective site-specific risk assessment, these risks may be substantiated by
comparing and weighing effect concentrations and measured environmental con-
centrations. A refinement of this method can be applied if for a specific herbicide
enough ecotoxicity data are available to construct SSD curves. In this case, one can
derive the fraction of species probably affected at a measured ambient concentration
(X to Y in the SSD).

The major drawback of the abovementioned methodologies is that they are based
on single herbicides. Yet, in heavily anthropogenically exploited areas, risks to
aquatic primary producers are generally caused by mixtures of a myriad of (un)-
known compounds, with estimates of up thousands of compounds being present in
large European rivers (Loos et al. 2009; Altenburger et al. 2015; Storck et al. 2015).
Thus, a large portion of toxic risks in surface waters cannot be attributed to
compounds measured by water authorities. To meet these challenges, the SSD
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approach can be further refined by deriving a multi-substance potentially affected
fraction of species (msPAF). The msPAF model is designed to assess the risk of
mixtures of toxicants using the SSD principles (Traas et al. 2002; de Zwart and
Posthuma 2005). This model applies first concentration addition to calculate a single
risk value for substances that have a shared toxic mode of action and then applies
response addition to sum the toxicity risks of each mode of action. The resulting
msPAF value describes the potentially affected fraction of species from exposure to
a complex mixture (Traas et al. 2002; de Zwart and Posthuma 2005). This approach
has been successfully applied to assess the risk of a mixture of pesticides, including
many herbicides, in different regions (e.g. Wilson and Wilson 2011; Rämö et al.
2018).

Alternatively, understanding of the risks of herbicide exposure for aquatic pri-
mary producers can also be achieved by a shift towards new monitoring methods that
do not depend on chemical analysis of priority substances solely, but consider the
biological effects of the entire micro-pollutant mixture first. Therefore, there is a
need for effect-based monitoring strategies that employ bioassays to identify envi-
ronmental risk (e.g. De Baat et al. 2018). Responses in bioassays are caused by all
bioavailable (un)known compounds and their metabolites, whether or not they are
listed as priority substances. All toxicity tests described in §3.2 can be employed as
bioassays, in which the responses of the primary producers to contaminated water
and sediments samples can be determined, providing a direct indication of the
potential ecological risks. Likewise, all the different endpoints described in §3.3
can be assessed in such bioassays, including survival, growth, reproduction, photo-
synthesis, etc. Applying bioassays enables an efficient and effective assessment of
the toxicity of environmental samples to primary producers because it (1) identifies
the presence of herbicides that would be overlooked by routine chemical WFD
monitoring and (2) avoids redundant chemical analyses by focusing only on (non-)
target screening in samples with demonstrated effects (De Baat et al. 2018). Major
drawbacks in applying bioassays are the difficulties in relating the observed effects
to specific compounds and the effects of confounding factors, like a poor nutritional
value of the field samples, causing false positives.

4.1 Risk Assessment of Aqueous Herbicides for Aquatic
Primary Producers

Monitoring efforts may vary widely between countries, the Netherlands being one of
the few countries for which an open online platform on pesticide monitoring is
publicly available (Vijver et al. 2008). Consulting this atlas revealed that for atrazine,
diuron, isoproturon, MCPA, metolachlor and simazine, the measured environmental
concentrations are all in the low ng/L range, hence generally at least three orders of
magnitude lower than the HC5 values listed in Table 5 that generally fall in the μg/L
range. This suggests that in the Netherlands, there is no actual risk of waterborne
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herbicides to aquatic primary producers. However, a number of considerations
should be taken into account, mixture toxicity being the most obvious one. Yet, if
effect concentrations and field concentrations differ a factor thousand, then only
mixtures consisting of thousands of compounds may in the end come close to the
effect concentrations. This may only be the case in the most downstream part of large
rivers, but their concentrations are also generally further diluted. Ten to 20 years ago,
herbicide concentrations were substantially higher, about a factor of 10 (www.
bestrijdingsmiddelenatlas.nl; Vijver et al. 2008), but even then the difference
between environmental concentrations and effect concentrations was still a factor
hundred. Also, peak discharges may be missed by routine grab sampling monitoring,
but this strongly depends on the monitoring frequency and intensity. Alternatively,
passive sampling may be employed, strongly diminishing the chance of missing
these peaks, but on the other hand, the final time integrated concentrations in the
passive samplers also dampen these peaks. Munz et al. (2017) screened 24 Swiss
WWTPs for almost 400 chemically synthesized pesticides and pharmaceuticals.
Detected herbicide concentrations were several orders of magnitude lower than the
HC5 values derived in the present review, confirming the low risk of herbicides to
aquatic primary producers.

Fang et al. (2019) reported the minimum, median and maximum concentrations
of a wide range of pesticides in Europe, China and the USA. For acetochlor, irgarol,
isoproturon, MCPA, metolachlor and simazine, even the maximum concentrations
were still at least a factor of 10 below the HC5 values. In contrast, for atrazine the
maximum concentrations measured in China and the USA were very similar to the
HC5 values listed in Table 5, suggesting an actual risk to aquatic primary producers.
For diuron, the HC5 values varied, but nevertheless the maximum concentrations
measured in the USA (1.36 μg/L) were half of the median 2d HC5 value (2.98 μg/L)
and even around four times higher than the median 4d HC5 values (0.35 μg/L),
indicating serious risks. Exceptional high risks would be anticipated based on the
diuron concentrations measured by Hermosin et al. (2013) in Spain. The median
(0.6 μg/L) and mean concentration (2.36 μg/L) that they reported are very similar to
the HC5 ranges (overall 0.07–8.6 μg/L) calculated in the present review. Moreover,
the maximum concentration that Hermosin et al. (2013) measured (21 μg/L) is even
ten- to a hundred-fold higher than the median HC5 values for diuron. The latter
would imply that approximately 60% of the EC50 values plotted in the SSD would
be exceeded. Moreover, in such cases, mixture toxicity would likely play a role as
well. An appropriate risk assessment of the generally occurring mixtures of com-
pounds is, however, hampered by the compound approach involved in using SSDs.
A reliable estimation of the actual risks at contaminated sites can therefore only be
obtained by employing bioassays that respond to the entire mixture of bioavailable
(un)known herbicides present in the environmental samples.

De Baat et al. (2018) employed an algal photosynthesis bioassay on a nationwide
scale in the Netherlands to identify surface water toxicity to algae and subsequently
to identify the causing compound(s). Out of 39 surface water locations, toxicity was
observed at only one location. Chemical screening for 151 commonly applied
pesticides identified 3 suspect herbicides (linuron, dimethenamid and the metabolite
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desethylterbuthylazine) that were present in the water sample above their respective
quality standards. Generating EC50 values revealed that linuron was solely respon-
sible for the observed effects at this location. Neale et al. (2017) applied chemical
analysis and bioanalysis to assess the micro-pollutant burden during low flow
conditions upstream and downstream of three wastewater treatment plants
(WWTPs) discharging into small streams in the Swiss Plateau. They could explain
that the observed effects on the photosystem II inhibition bioassays by ten detected
herbicides, with main contributions by diuron and terbuthylazine). This was in
contrast to the observed effects for most other bioassays, including activation of
the aryl hydrocarbon receptor, activation of the androgen receptor, activation of the
oestrogen receptor and acetylcholinesterase inhibition.

The success of surface water screenings relies largely on the endpoint specificity
and scale of the selected bioassays, with in vitro or small-scale in vivo bioassays with
specific drivers of adverse effects allowing for focused identification of toxicity and
subsequent confirmation of the toxic compounds (Leusch et al. 2014; Brack et al.
2016). Microalgal photosynthesis is a sensitive and well-studied bioassay endpoint
to identify hazardous effects of herbicides in surface waters (e.g. Ralph et al. 2007;
Sjollema et al. 2014; Booij et al. 2015). Adequate selection of bioassays employed in
water quality monitoring can thus greatly aid in narrowing down the identification of
compound(s) that cause environmental risks (De Baat et al. 2018). The bioassays
targeting photosynthesis inhibition by herbicides are often successful due to the
specific mode of action and the sensitivity of PSII inhibition as an endpoint (Neale
et al. 2017). Yet, herbicides with a different mode of action, like commonly observed
auxin stimulating herbicides (e.g. Ensminger et al. 2013), are not detected using such
microalgae bioassays.

4.2 Risk Assessment of Sediment-Associated Herbicides
for Aquatic Primary Producers

While knowledge regarding the analysis and improvement of water quality is
increasing, knowledge considering sediments and sediment-water-plant interactions
specifically remains relatively scarce. Hence, more insight into the impact of changes
induced by human activities on sediment and sediment-inhabiting organisms is
required, since sediments are the largest chemical repositories on earth (Borja
et al. 2004; Babut et al. 2005). Moreover, sediments nowadays act as a source of
pollutants rather than as a sink, releasing a variety of stored toxicants and other
detrimental components (Brils 2002; Förstner 2004; Chon et al. 2012). Despite the
importance of contaminated sediments considering water quality assessment and
risks for aquatic (primary producer) communities, the European Water Framework
Directive (WFD) has focused primarily on compounds in the water column, men-
tioning water 373 times and sediment only 7 times (Borja et al. 2004). Moreover, the
risks of herbicides accumulated in the sediments are strongly linked to the presence
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of other hazardous compounds, since in agricultural and urban areas, rooting primary
producers are often influenced by mixtures of herbicides, heavy metals and many
other unmonitored compounds in the sediment (Kronvang et al. 2003).

Microalgae generally have a short life-span and reproduction occurs often
through simple cell division. Exposing microalgae for a couple of days to a few
weeks, timeframes possible within the available ecotoxicity tests, will therefore also
include reproduction of the species. Also for Lemna species, one can argue that the
whole life-cycle is covered by the available toxicity test. However, assessing the risk
for larger macrophytes is complicated, particularly when taking into account the
seasonal growing and decay phase (Hill et al. 1994). Given the longer life-span of
most (rooting) macrophytes (few months to even years; Cronk and Fennesy 2001),
no standardized ecotoxicity test includes the entire life-cycle of these vascular plants.
Hence, there is limited information available on the effects of herbicides on germi-
nation, flowering, seed formation and resource allocation during senescence of
macrophytes (but see Moore et al. 1999, Gao et al. 2011; Moore and Locke 2012).
Especially in the early life stages (seed germination) and during senescence and
reallocation of resources to belowground parts, aquatic plants could be sensitive to
sediment-associated herbicides. Mesocosm studies can be used to determine long-
term effects of pesticides on aquatic primary producers, since both direct and indirect
effects are taken into account in these studies (Müller et al. 2019). Still, mostly
endpoints related to species composition and plant biomass are reported with less
information on endpoints related to flowering, seed production and belowground
storage of resources.

In the marine environment, suspicions regarding the risks of contaminated sed-
iments are hard to confirm, since there are no standardized ecotoxicity tests using
marine rooting macrophytes available. Assays for marine macrophytes (e.g. using
leaves of the seagrass Halophila ovalis; Wilkinson et al. 2015) are currently being
developed, but these still often focus on exposure through surface water only. Hence,
it cannot be determined whether marine primary producers are affected by sediment-
bound herbicides. Located in the coastal zones and influenced by rivers, seagrass
meadows are contaminated by herbicides transported through the catchment to the
sea (e.g. Scarlett et al. 1999; Haynes et al. 2000). For example, the modelled
discharge of six widely used herbicides (atrazine, tebuthiuron, simazine, ametryn,
diuron and hexazinone) to the Great Barrier Reef was on average 17,000 kg per year
with the main risks for this area (Brodie et al. 2013, 2017). Although detected
concentrations of herbicides in sediments of the Great Barrier Reef were relatively
low (below 1 μg/kg sediment; Haynes et al. 2000), risk assessment of pesticides in
sediments is restricted because the Australian sediment quality guidelines are limited
in their scope to evaluate pesticide bioavailability (Brodie and Landos 2019).
Seagrasses are exposed to herbicides and their degradation products through both
the surface water (leaves) and the sediment (roots). Although a few studies have
reported the impact of herbicides on seagrasses (see Devault and Pascaline (2013)
for an overview), most studies reported impact on plant physiological endpoints
(photosynthesis) only and not on overall growth. Seagrass vulnerability to short
exposures of high concentrations of herbicides has been observed (Macinnis-Ng and
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Ralph 2004), and the combined effects of high temperatures and the herbicide
atrazine were more harmful to seagrass compared to a single pressure (Gao et al.
2017). However, the risk of herbicides through long-term exposure to mixtures of
compounds generally present in the sediment of contaminated coastal areas remains
unknown. Adjustments of environmental quality standards may therefore be needed
in order to increase the protection level of marine species to herbicides. Priority
should be given to evaluate if marine primary producers are currently sufficiently
protected against the risks of exposure to hazardous concentrations of herbicides.

Comparable to surface water screenings, a reliable estimation of the actual risks at
contaminated sediment sites can only be obtained by employing bioassays that
respond to the entire mixture of bioavailable (un)known compounds present in the
sediment and the interstitial water. Magnusson et al. (2013) compared the phytotox-
icity of interstitial water extracts from sediments on benthic microalgae to the
expected phytotoxicity of compounds detected in the overlying water. The herbicide
concentrations in the interstitial water explained most of the phytotoxicity measured
in the bioassay, and this photoinhibition was even higher than expected, indicating
the presence of unidentified phytotoxins in the sediment pore water. Rooting mac-
rophyte species have also been used in bioassays to assess sediment quality. In
estuaries, Lewis et al. (2001) observed significant stimulatory and inhibitory effects
on early seedling growth of Scirpus robustus (saltmarsh bulrush) and Spartina
alterniflora (saltmarsh cordgrass), relative to a reference sediment. However, only
in 3 of the 15 tests, these effects were related to pesticides (Lewis et al. 2001). Feiler
et al. (2004) showed that growth of the freshwater macrophyte Myriophyllum
aquaticum was depending on the origin of the sediment tested, with contamination
in the sediments causing adverse effects on the plants. Successful application of
bioassays to assess the toxicity of sediment-associated herbicides and to identify
compounds of concern relates to (1) the identification of sensitive plant species and
suitable response parameters; (2) the determination of the influence of sediment
chemical and physical characteristics on plant growth; and (3) the quantification of
the (bio)available concentrations of herbicides and other phytotoxins in the
sediment-pore water matrix.

5 Conclusions

The aim of the present review was to give an overview of the current state of science
concerning herbicide exposure and toxicity to aquatic primary producers. Assessing
the open literature revealed that the unintentional as well as intentional sources of
herbicides in the aquatic environment are numerous, evidently leading to the wide-
spread presence of herbicides, inevitably leading to the exposure of non-target
primary producers. The fate of herbicides in the environment is determined by the
combination of the chemical properties and the formulation of the herbicides, the
local environmental conditions and the timing, rate and method of application.

Herbicide Exposure and Toxicity to Aquatic Primary Producers 157



Overall, this results in exposure concentrations showing strong temporal and spatial
variations and consisting of mixtures of herbicides.

Among the available toxicity tests with aquatic primary producers, there are a bias
towards algae compared to macrophytes and a bias to water compared to sediment
exposure. In response to ignoring the sediment as environmental compartment of
concern, the OECD guideline for the macrophyte Myriophyllum has been extended
with rooting plants allowing to test the toxicity of sediment-associated herbicides,
while a test with the rooted emergent macrophyte Glyceria is currently being
developed. Based on the outcome of the available ecotoxicity tests, it was concluded
that the most sensitive as well as the least sensitive species differed per herbicide and
that the observed effect concentrations for herbicides were rather similar indepen-
dent from the exposure time. To come to a reliable hazard assessment for the effects
of herbicides on primary producers, extensive ecotoxicity testing is required, espe-
cially considering macrophytes and marine herbicide toxicity. Yet, it is concluded
that the largest knowledge gap concerns the effects of sediment-associated herbi-
cides on primary producers.

Comparing environmental concentrations and effect concentrations demonstrated
that generally there is no actual risk of waterborne herbicides to aquatic primary
producers. Still, median concentrations of atrazine and especially of diuron mea-
sured in China, the USA and Europe represented moderate risks for primary pro-
ducers. Maximum concentrations due to misuse and accidents may even cause the
exceedance of almost 60% of the effect concentrations plotted in SSDs. Applying
bioassays to detect the impact of unknown herbicide mixtures and to identify the
herbicide of concern is a successful approach, especially for the photosynthesis-
inhibiting herbicides. However, for herbicides with other modes of action, the use of
bioassays remains challenging. It is concluded that to come to a reliable herbicide
hazard and risk assessment, an extensive catch-up must be made concerning mac-
rophytes, the marine environment and especially sediment as overlooked and
understudied environmental compartment.

6 Summary

The aim of the present review was to give an overview of the current state of science
concerning herbicide exposure and toxicity to primary producers. To this end we
assessed the open literature, revealing the widespread presence of (mixtures of)
herbicides, inevitably leading to the exposure of non-target primary producers.
Yet, herbicide concentrations show strong temporal and spatial variations.
Concerning herbicide toxicity, it was concluded that the most sensitive as well as
the least sensitive species differed per herbicide and that the observed effect con-
centrations for some herbicides were rather independent from the exposure time.
More extensive ecotoxicity testing is required, especially considering macrophytes
and marine herbicide toxicity. Hence, it was concluded that the largest knowledge
gap concerns the effects of sediment-associated herbicides on primary producers in
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the marine/estuarine environment. Generally, there is no actual risk of waterborne
herbicides to aquatic primary producers. Still, median concentrations of atrazine and
especially of diuron measured in China, the USA and Europe represented moderate
risks for primary producers. Maximum concentrations due to misuse and accidents
may even cause the exceedance of almost 60% of the effect concentrations plotted in
SSDs. Using bioassays to determine the effect of contaminated water and sediment
and to identify the herbicides of concern is a promising addition to chemical
analysis, especially for the photosynthesis-inhibiting herbicides using photosynthe-
sis as endpoint in the bioassays. This review concluded that to come to a reliable
herbicide hazard and risk assessment, an extensive catch-up must be made
concerning macrophytes, the marine environment and especially sediment as
overlooked and understudied environmental compartments.
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