


Eutrophication of Shallow Lakes with Special Reference

to Lake Taihu, China



Developments in Hydrobiology 194

Series editor

K. Martens



Eutrophication of Shallow Lakes with Special
Reference to Lake Taihu, China

Edited by

B. Qin1, Z. Liu1,2 & K. Havens3

1Nanjing Institute of Geography and Limnology, Chinese Academy of Sciences, Nanjing, China
2Institute of Hydrobiology, Jinan University, Guangzhou, China

3Department of Fisheries and Aquatic Sciences, University of Florida, Gainesville, USA

Reprinted from Hydrobiologia, Volume 581 (2007)

123



Library of Congress Cataloging-in-Publication Data

A C.I.P. Catalogue record for this book is available from the Library of Congress.

ISBN-13: 978-1-4020-6157-8

Published by Springer,

P.O. Box 17, 3300 AA Dordrecht, The Netherlands

Cite this publication as Hydrobiologia vol. 581 (2007).

Cover illustration: Lake Taihu, a large shallow lake in the Changjiang River delta (China). Satellite

image: China Center for Resource Satellite Data and Applications.

Printed on acid-free paper

All Rights reserved

� 2007 Springer

No part of this material protected by this copyright notice may be reproduced or utilized in any form

or by any means, electronic or mechanical, including photocopying, recording or by any information

storage and retrieval system, without written permission from the copyright owner.

Printed in the Netherlands



TABLE OF CONTENTS

Preface
B. Qin, Z. Liu, K. Havens 1–2

INTRODUCTORY PAPERS

Environmental issues of Lake Taihu, China
B. Qin, P. Xu, Q. Wu, L. Luo, Y. Zhang 3–14

The art and science of lake restoration
B. Moss 15–24

PHYSICAL AND GEO-CHEMICAL PROCESSES IN EUTROPHIC LAKES

Phosphorus dynamics at multiple time scales in the pelagic zone of a large shallow
lake in Florida, USA
K.E. Havens, K.-R. Jin, N. Iricanin, R.T. James 25–42

Chromophoric dissolved organic matter (CDOM) absorption characteristics in relation
to fluorescence in Lake Taihu, China, a large shallow subtropical lake
Y. Zhang, B. Qin, G. Zhu, L. Zhang, L. Yang 43–52

Effects of hydrodynamics on phosphorus concentrations in water of Lake Taihu,
a large, shallow, eutrophic lake of China
G. Zhu, B. Qin, G. Gao, L. Zhang, L. Luo, Y. Zhang 53–61

Total inputs of phosphorus and nitrogen by wet deposition into Lake Taihu, China
L. Luo, B. Qin, L. Yang, Y. Song 63–70

The effects of different electron donors on anaerobic nitrogen transformations and
denitrification processes in Lake Taihu sediments
D. Wang, Q. Huang, C. Wang, M. Ma, Z. Wang 71–77

A 200-year historical modeling of catchment nutrient changes in Taihu basin, China
G. Yu, B. Xue, G. Lai, F. Gui, X. Liu 79–87

Evaluation of biogenic and anthropogenic inputs of aliphatic hydrocarbons to Lake
Taihu sediments using biomarkers
W. Qu, B. Xue, C. Su, S. Wang 89–95

Spatio-temporal distribution of nitrogen in the undulating littoral zone of Lake Taihu,
China
H. Wang, J. Lu, W. Wang, P. Huang, C. Yin 97–108

Variations in kinetics of alkaline phosphatase in sediments of eutrophic, shallow,
Chinese lakes
Y. Zhou, X. Cao, C. Song, J. Li, G. Chen, L. Peng 109–116



Environmental changes in Lake Taihu during the past century as recorded in sediment
cores
B. Xue, S. Yao, W. Xia 117–123

Role of climate and agricultural practice in determining matter discharge into large,
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EUTROPHICATION IN LAKES

Preface

Boqiang Qin Æ Zhengwen Liu Æ Karl Havens

� Springer Science+Business Media B.V. 2007

Eutrophication and algal blooms are worldwide

environmental issues in lakes. The eutrophication

process and forming mechanisms of algal blooms

are particularly complicated in shallow lakes due

to the strong lake–land, air–water and water–

sediment interactions.

In China there are more than 2,700 lakes, with

a total area of 91,000 km2, and one third of them

are shallow lakes. In recent years, many shallow

lakes in China have displayed rapid eutrophica-

tion and suffered from algal blooms. These

problems have resulted in a shortage of drinking

water supply and degradation of lake ecosystems.

The control of eutrophication in shallow lakes is

one of the main issues with which the local

people and Chinese governments are concerned

today.

Lake Taihu is the third largest freshwater lake

in China, with an area of about 2,338 km2 and a

mean depth of 1.9 m. Now its main function is

supplying drinking water for the surrounding

cites such as Shanghai, Suzhou and Wuxi. It is

also very important in tourism, culture fisheries

and navigation. However, with economic devel-

opment and increased population in the lake

basin, Lake Taihu is suffering from serious

eutrophication, so research work on ecosystem

restoration in the lake is receiving increasing

attention.

The ‘International Symposium on the Eutro-

phication Process and Control in Large Shallow

Lakes––With Special Reference to Lake Taihu,

a Shallow Subtropical Chinese Lake’ was held in

Nanjing during April 22–26, 2005, and provided

a forum for discussion and exchange of ideas

and information by scientists and environment

managers on the issues of eutrophication pro-

cess, control, and management of shallow lakes

in general and Lake Taihu in particular. This

special issue collects papers presented at the

symposium. The editors and the authors of the

papers in this special issue hope that it will make

a significant contribution to the understanding

and management of eutrophication in shallow

lakes.
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EUTROPHICATION IN LAKES

Environmental issues of Lake Taihu, China

Boqiang Qin Æ Pengzhu Xu Æ Qinglong Wu Æ
Liancong Luo Æ Yunlin Zhang

� Springer Science+Business Media B.V. 2007

Abstract Lake Taihu is characterized by its

shallowness (mean depth = 1.9 m) and large sur-

face area (2,338 km2). Runoff sources are mostly

from the mountainous west and southwest, and

outflows are located throughout East Taihu. This

causes shorter retention times in the south. In

contrast, urban pollutants discharge into northern

Taihu and result in poor water quality. Non-point

pollution from rural areas and sewage wastewater

is the primary pollution source. Water current

velocity ranges from 10–30 cm s–1, and surface

currents normally follow wind direction. Bottom

currents appear to be a compensation flow. Most

wave heights are less than 40 cm, and underwater

irradiance correlates to seston in the water

column. Lacustrine sediment is distributed in

littoral zones, mostly along the western shoreline,

with almost no accumulation in the lake center.

Intensive aquaculture in East Taihu caused eutro-

phication and hampered water supply in sur-

rounding areas. In addition, development of

marshiness in the eastern littoral zones and East

Taihu has occurred. The function of flood dis-

charging of East Taihu has been limited by

flourishing macrophytes. The problems facing in

Lake Taihu will be alleviated by improving the

management of nutrient sources into the lake.

Keywords Lake Taihu � Hydrography � Water

quality � Eutrophication � Aquaculture

Introduction

Lake Taihu is situated in the Changjiang (Yan-

gtze) delta, the most industrialized area in China

with high population density, urbanization, and

economic development. Although Taihu Basin

occupies only 0.4% of China’s territory and 3%

of China’s population, it contributes about 10%

of Gross National Product (GNP) and 15% of

province revenues (NSB, 2000; SBSC, 2000;

SBZP, 2000; SBJP, 2000). Lake Taihu is impor-

tant for water supply, flood control, tourism and

recreation, shipping and aquaculture. It is the

drinking water source for several cities, such as

Shanghai, Suzhou, Wuxi, and Huzhou. Since

1980’s, however, economic development has

resulted in pollutants being produced and dis-

charged into rivers and the lake. With the

deterioration of water quality, eutrophication

and algal blooms (Microcystis spp.) have oc-

curred. Recently, the algal bloom has extended its

Guest editors: B. Qin, Z. Liu & K. Havens
Eutrophication of shallow lakes with special reference to
Lake Taihu, China

B. Qin (&) � P. Xu � Q. Wu � L. Luo � Y. Zhang
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coverage and persists throughout the summer,

which affects the function of the lake as a

drinking water supply. In 1996, the Chinese

government targeted pollution and eutrophica-

tion control before 2000 and 2010. Factories

within the watershed now must treat wastewater

before it is discharged to rivers. Also, rivers

flowing into Lake Taihu should meet grade III

standards (National Surface Water Quality Stan-

dard GB3838-2002) before 2000, and lake water

should be clarified before 2010. However, lake

water quality has not improved to date, and, in

2001, pollution control work was reevaluated and

redirected. In fact, problems facing Lake Taihu

are similar to most freshwater lakes in eastern

China. Based on field investigations and literature

review, this paper attempts to review and address

main eco-environmental issues in Lake Taihu.

General description of the lake

Lake Taihu is the third largest freshwater lake in

China and is located between 30�55¢40¢¢–
31�32¢58¢¢ N and 119�52¢32¢¢–120�36¢10¢¢ E. Lake
length (from north to south) is 68.5 km and width

(from east to west) is 56 km. Mean depth is 1.9 m,

and maximum depth is 2.6 m corresponding to an

elevation of 3.0 m above sea level. The lake

bottom features flat terrain with an average

topographic gradient of 0�0¢19.66¢¢ and elevation

of 1.1 m above sea level. Shallow-water area with

mean depth <1.5 m is about 452 km2, mostly in

East Taihu, accounting for 19.3% of the total

surface area. Deepest areas (>2.5 m) are in the

north and west occupying 197 km2 or 8.4% of the

total lake area.

Origin of the lake

Many researchers have discussed the origin and

history of Lake Taihu (Wang & Ding, 1936;

Wissman, 1941; Chen et al., 1959; NIGLAS, 1965;

Yang et al., 1985; Yan & Xu, 1987; Sun et al.,

1987; Sun & Huang, 1993; Huang, 2000; Sun,

2004). In general, Lake Taihu probably was an

ancient lagoon, as suggested by its location in the

Changjiang delta where solid particles have been

transported and deposited in the transitional

estuarine zone. Evidence of marine sediment

materials found in drill cores supported this

assumption (Chen et al., 1959). Continental shelf

extension resulted in enclosing of the lagoon and

it eventually became a freshwater lake (Chen

et al., 1959; Yang et al., 1985; Yan & Xu, 1987).

Recently, new evidence from stratigraphy and

archaeological sites suggest that Taihu originated

from extreme flooding. Flood water discharged by

man-made channels was retained in the depres-

sion (Sun & Huang, 1993; Sun, 2004).

Hydrology of the lake

Lake Taihu has a complicated river and channel

network. There are 172 rivers or channels con-

necting to the lake (Xu & Qin, 2005). The total

length of rivers in Taihu basin is ca. 12,000 km,

i.e., about 3.24 km km–2. During flooding season

(spring and summer), flooding runoff from the

west or southwest goes through lake to the east

and empties into the East China Sea (Fig. 1). In

the dry season (autumn and winter), however,

water flow can reverse, especially in rivers in the

east. Generally, rivers in the west of the lake are

defined as upstream and vice versa. Runoff is

defined as positive or negative. Table 1 shows the

runoff of main rivers flowing into or out of the

lake from May 2001 to April 2002. The greatest

inflow rivers are Chendonggang, Xitiaoxi, and

Yincungang. Three are located in the west or

southwest watershed. The main outflow rivers are

Taipu, Xinyunhe, and Xijiang located in the

southeast (Table 1). Table 2 shows the monthly

distribution of runoff from May 2001 to April

2002. Some rivers flow into the lake year-round,

some flow out all year, and some reverse flow

direction in different seasons (Table 2). There is

no definitive estimate of water balance yet

because of the complicated hydraulic connections

between rivers and the lake. Table 3 is a rough

estimate of water balance based on surveys of 115

rivers from May 2001 to April 2002. Flowing

water from these rivers account for 90% of total

runoff input and output, but the measuring

frequency was insufficient because measurements

were taken once in normal months and twice in

4 Hydrobiologia (2007) 581:3–14
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flooding months. Annual runoff input, output,

and water balance from May 2001 to April 2002 is

estimated based on the measurement (Table 3).

This water balance represents more flooding

years versus the multi-year averaged water bal-

ance (Mao et al., 2004). Water retention time is

about 5 months, but it is shorter in the south since

most runoff water is discharged via the Taipu

River, in the southeast. Water quality, therefore,

is better in the south than in the north.

Hydrodynamics

There still is not a complete understanding of

water currents in Lake Taihu. Earliest measure-

ments were made in 1960, when two boats cruised

around the lake at the same speed (NIGLAS,

1965). Other measurements were made in 1986–

1987 (Sun & Huang, 1993) and summer in 1997

(Qin et al., 2000). These measurements were

incomplete and incomparable since records were

collected on different dates or at different sites. In

summer, prevailing winds from the southeast or

southwest generate a counter-clockwise water

current in western Taihu centered near Pingtai-

shan Island (Fig. 2). Current velocity ranged from

10 cm s–1 to 30 cm s–1 (Qin et al., 2000). There

was a stable southward current along the western

coast and a weak and unstable current in Meiliang

Bay (Fig. 2). This current pattern was reproduced

by a numerical simulation under the same condi-

tions (Luo & Qin, 2004; Hu et al., 2004). Regard-

less of season, there is a weak counter-clockwise

current in northern Meiliang Bay (Qin et al.,

2000; Luo et al., 2004a, b), which may explain

Fig. 1 Sketch map of Taihu Basin

Hydrobiologia (2007) 581:3–14 5
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why this area is favorable for concentrating algal

blooms (Qin et al., 2000).

In July 2003, an Acoustic Doppler Current

Profiler was deployed at the center of Meiliang

Bay, and 10-min interval current velocity and

direction data from 11 layers were collected.

Surface currents followed the direction of wind

forcing (Fig. 3a), but current velocity attenuated

Table 2 Monthly runoff rate of rivers around Lake Taihu during May 2001 to April 2002 (m3 s–1) (inflow is defined as
positive and outflow is defined negative)

River 2001 2002 Yearly
Average

May Jun Jul Aug Sep Oct Nov Dec Jan Feb Mar Apr

Xitiaoxi R. 8.8 49.3 22.0 57.0 –9.4 –1.7 –6.3 6.8 7.9 –4.1 28.5 55.6 17.9
Dongtiaoxi R. –2.2 80.6 –5.9 8.2 –76.7 –45.6 –54.5 –20.3 –15.1 –31.0 9.6 61.1 –7.7
Changxingang R. 3.7 10.7 6.6 10.3 1.1 0.1 1.0 3.6 3.1 1.2 9.8 11.0 5.2
Chendonggang R. 15.7 44.8 33.1 67.1 31.1 26.4 24.7 32.0 22.2 12.7 37.4 22.3 30.8
Yincungang R. 14.8 28.8 11.9 37.2 18.9 15.4 14.0 19.3 10.0 7.1 18.4 11.6 17.3
Wujingang R. 4.5 11.2 4.9 11.7 5.5 4.9 5.8 4.2 3.1 4.2 7.0 4.6 6.0
Zhihugang R. 5.7 13.4 0.1 12.9 5.4 3.9 2.9 2.1 0.9 2.9 9.0 2.4 5.1
Liangxihe R. 5.9 14.1 –5.8 2.6 3.6 10.3 5.8 10.4 1.6 0 0 0 4.0
Wangyu R. 12.0 –12.4 –87.4 –48.5 –41.6 15.0 –12.8 –18.0 –37.2 115.0 116.0 –36.5 –3.0
Xinyun R. –23.4 –47.4 –34.3 –24.8 –22.0 –31.3 –26.6 –28.7 –30.9 –21.8 –15.8 –21.1 –27.3
Dapugang R. –2.7 –2.0 –5.9 –5.2 –5.5 –5.3 –6.5 –8.4 –9.5 –5.5 –5.8 –2.4 –5.4
Xijiang R. –10.7 –9.3 –27.4 –27.9 –25.2 –17.6 –17.0 –15.3 –17.4 –14.0 –18.5 –17.6 –18.2
Xuguang Canal –1.6 0.2 –10.5 –12.4 –10.2 –4.7 –6.1 –3.9 –7.3 –2.2 –7.7 –5.6 –6.0
Taipu R. –49.6 –84.9 –132.0 –135.0 –125.0 –85.4 –107.0 –127.0 –118.0 –116.0 –160.0 –156.0 –116.3

Table 1 Inflow and outflow of main rivers around Lake Taihu during May 2001 to April 2002 (if the sum of number of days
of inflow and outflow less than 365, the remainder is days of no flow)

River Inflow Outflow Annual
runoff
(108 m3)Days Mean daily

inflow rate
(m3 s–1)

Mean inflow
rate (m3 s–1)

Total
inflow
(108 m3)

Days Mean daily
outflow rate
(m3 s–1)

Mean
outflow
(m3 s–1)

Total
outflow
(108 m3)

Xitiaoxi R. 234 273.0 34.9 7.05 125 –57.8 –12.79 –1.38 5.67
Dongtiaoxi R. 118 400.0 71.5 7.29 247 –122.0 –45.37 –9.68 –2.39
Changxingang R. 301 61.0 6.8 1.76 64 –10.4 –2.21 –0.12 1.64
Chendonggang R. 338 147.0 34.2 9.98 26 –38.7 –10.07 –0.23 9.76
Yincungang R. 347 72.9 18.5 5.56 18 –14.8 –5.47 –0.09 5.47
Wujingang R. 339 49.8 6.6 1.95 26 –7.1 –2.89 –0.06 1.88
Zhihugang R. 244 78.1 8.3 1.75 27 –14.1 –5.56 –0.13 1.62
Liangxihe R. 174 60.7 11.8 1.78 60 –23.3 –9.58 –0.50 1.28
Wangyu R. 116 240.0 82.8 8.30 249 –177.0 –44.10 –9.49 –1.19
Xinyun River 32 33.1 15.4 0.43 333 –183.0 –31.47 –9.05 –8.63
Dapugang R. 14 4.2 2.7 0.03 348 –14.2 –5.78 –1.74 –1.71
Xijiang R. 7 16.5 8.7 0.05 358 –44.3 –18.72 –5.79 –5.74
Xuguang Canal 38 7.7 3.3 0.11 290 –27.3 –8.03 –2.01 –1.91
Taipu River 8 73.2 27.5 0.19 357 –296.0 –119.47 –36.85 –36.66

Table 3 The water balance of Lake Taihu during May 2001 to April 2002

Input runoff
(108 m3)

Output runoff
(108 m3)

Precipitation
(108 m3)

Evaporation
(108 m3)

Change in capacity
(108 m3)

Inflow from uncontrolled areas
and river net (108 m3)

80.11 –96.67 27.19 –17.71 –5.38 12.46

6 Hydrobiologia (2007) 581:3–14
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with depth and reversed direction at the bottom

(Fig. 3b). This indicates that there is a compen-

sation current at the bottom opposite wind

forcing on the surface (Fig. 3b).

Wave action is a key factor in interactions

between the sediment and water (Qin et al., 2004).

In August 1986, a continuous observation of waves

was made in the northwest (Wu et al., 1987).

Statistical analyses with cumulative frequency of

one-third highest wave height (H1/3) and maxi-

mum wave height (Hmax) showed that most waves

were low in height with 80% of H1/3 < 8 cm, 98%

of H1/3 < 20 cm, and 5% > 40 cm (Wu et al.,

1987). From field observations, the empirical

relationship among average wave height (H),

wind speed (W), wind fetch (F), and period (T)

was derived as follows (Hu et al., 2004):

gH

W2
¼ 0:00168

gF

W2

� �0:46

If water depth was assumed not to change, then

wave height was proportional to wind speed (Hu

et al., 2004):

H ¼ 5:497W0:5 � 4:516

Similarly, the relationship between maximum

wave height (Hmax) and wind speed can be

expressed as (Wu et al., 1987):

gHmax

W2
¼ 0:1094

gD

W2

� �0:7508

Hmax ¼ 5:237� 10�2 W

Underwater light climate

Lake Taihu is a shallow and eutrophic lake, and

Secchi depths are normally low, i.e., about 30–

40 cm in the north and 40–50 cm in the south

(Qin et al., 2004; Zhang et al., 2004a). Based on

water quality monitoring conducted by Taihu

Laboratory for Lake Ecosystem Research

(TLLER), transparency is related to seston

abundance (Fig. 4):

S1=4 ¼ 8:103� 5:847 ln ST

ðR ¼ 0:87; SD ¼ 0:32; N ¼ 135; P\0:0001Þ

Fig. 3 (a) Current vectors at 35, 40, 55, 70, 85, 100, 115,
130, 145, 160, 175 cm below surface (water depth is 2.4 m)
at 10-min intervals in Meiliang Bay during 10:27–13:47 on
14 July 2003. (b) Current vectors at 65, 80, 95, 110, 125,
140, 155, 170, 185, 200, 215 cm below surface (water depth
is 2.4 m) at 10-min intervals in Meilaing Bay during 8:20–
11:40 on 17 July 2003

Fig. 2 The prevailing current pattern during the summer,
the velocity of current ranged from 10 cm s–1 to 30 cm s–1
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where S is seston abundance (mg l–1), ST is secchi

depth (m). Correlation and regression analysis

based on measurements of light attenuation and

seston, including inorganic and organic seston,

and chlorophyll-a showed that inorganic solids

were important in autumn, whereas organic solids

were important in summer, especially in the north

(Zhang et al., 2004b). Correlation analysis also

indicated that chlorophyll was not a large factor

on light attenuation (Zhang et al., 2004b).

Underwater irradiance measurements show

that daily light distribution at specific depth

followed solar radiation, i.e., increase in the

morning and decrease in the afternoon (Fig. 5)

(Zhang et al., 2004b). Irradiance at 1 m was about

10% of that at the surface (Fig. 5). Ultraviolet

(UV) radiation, which is harmful for phytoplank-

ton growth, was attenuated rapidly, i.e., UV-B at

20 cm was about 1% of surface levels (Zhang

et al., 2004b). Short-wave irradiance, therefore, is

attenuated faster than long-wave irradiance in

this lake.

Sediment in Lake Taihu

Spatial and vertical distribution of lacustrine

sediment was investigated at 723 sites in Lake

Taihu. Successive correction schemes and geosta-

tistical methods were used to determine sediment

thickness in the 69 · 69 whole lake grids. Spatial

statistical analysis revealed that sediment covers

about 1,100 km2 of lake bottom, which accounts

for about 47.5% of lake area (Fig. 6) (Luo et al.,

2004a, b). Total volume of lacustrine sediment is

estimated to be 1.86 · 109 m3 (Luo et al., 2004a,

b), and, in most regions, lacustrine sediment

depth was 0.5–2.0 m (Luo et al., 2004a, b). Most

lacustrine sediments are distributed along the

western shoreline from Meiliang Bay to the south.

There is little lacustrine sediment in the center of

the lake (Fig. 6).

Dating sediment at different depths from drill

cores showed that sedimentation rates range from

0.6 mm year–1 to 3.6 mm year–1 with an average

of 2 mm year–1 (Fan et al., 2004). Bulk density of

surface sediment is 1.2 g cm–3 with lowest bulk

density from East Taihu and highest from the

western lake (Fan et al., 2004). Organic matter

content ranges from 0.13% to 16.6% with maxima

from East Taihu and minima from the center and

west (Fan et al., 2004). TN and TP in sediments,

range from 0.01% to 0.66% and 0.01% to 0.015%,

respectively (Fan et al., 2004).

Pollution and eutrophication

In 1960, Lake Taihu was categorized as oligo-

trophic because total inorganic nitrogen (TIN),

total inorganic phosphorus (PO4
3–-P), and chem-

ical oxygen demanded (CODMn) were low

(Table 4) (NIGLAS, 1965). TIN increased dra-

matically until 1981 to about 18 times greater than

that in 1960, CODMn increased by 49%, and

PO4
3–-P remained stable (Table 4) (Sun & Huang,

Fig. 4 The relationship between the solid suspension and
secchi depth (SD) in Lake Taihu

Fig. 5 Daily variations of underwater irradiance at differ-
ent depth (0.0, 0.2, 0.4, 0.6, 0.8, 1.0 m under the surface) at
the site nearby Taihu Laboratory for Lake Ecosystem
Research (TLLER) on May 17, 1998
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1993). From 1981 to 1998, TP and CODMn

increased by 2.7 and 1.5 times, respectively

(Table 4). Total nitrogen (TN), total phosphorus

(TP), and chemical oxygen demand (CODMn)

increased from 1.8, 0.03, and 3.3 mg l–1 in 1988 to

2.3, 0.085, and 5.03 mg l–1 in 1998, respectively

(Table 4).

Table 5 shows quantities of pollutants which

rivers transport into the lake. Most pollutant

inflow rivers are located in the west or northwest,

whereas pollutant outflow rivers are located in the

south or southeast. Based on studies in 2002 and

2003, about 30–40% of nitrogen and phosphorus

is retained inside the lake (Table 5).

Fig. 6 Distribution of lacustrine sediment in Lake Taihu

Table 4 Change of water
quality indexes since
1960’s

a Data provided by
TLLER

Year TIN
(mg l–1)

TN
(mg l–1)

PO4
3–-P

(mg l–1)
TP
(mg l–1)

CODMn

(mg l–1)
Sources

1960 0.05 0.02 1.90 NIGLAS (1965)
1981 0.894 0.9 0.014 2.83 Sun & Huang (1993)
1988 1.115 1.84 0.012 0.032 3.3 Sun & Huang (1993)
1994 1.135 2.05 0.010 0.086 5.77 SEPA (2000)
1995 1.157 3.14 0.011 0.111 5.53 SEPA (2000)
1998a 1.582 2.34 0.007 0.085 5.03 TLLER
1999a 1.79 2.57 0.004 0.105 4.99 TLLER

Table 5 Nutrient flux of
inflow and outflow of
Lake Taihu during 2001–
2002

CODMn

(ton)
NH4

+-N
(ton)

NO2
–-N

(ton)
NO3

–-N
(ton)

TN
(ton)

TP
(ton)

Inflow 37,571.06 12,431.70 1,007.86 10,469.12 28,657.97 1,029.37
Outflow –35,431.36 –4,864.99 –379.77 –5,862.28 –14,599.90 –668.27
Inflow–outflow 2,139.70 7,566.71 628.09 4,606.83 14,058.07 361.10
Retention rate 5.7% 60.9% 62.3% 44.0% 49.1% 35.1%
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Wastewater produced within the basin

amounted to 2.25 · 105 t year–1 of CODCr,

4.13 · 104 t year–1 of TN and 3.8 · 103 t year–1

of TP in the 1980’s (Sun & Huang, 1993),

increasing to 2.82 · 105 t year–1 of CODCr and

8.0 · 104 t year–1 of TN and 5.66 · 103 t year–1 of

TP in the early 1990’s (SEPA, 2000), and increas-

ing further to 7.46 · 105 t year–1 of CODCr,

1.09 · 105 t year–1 of TN and 1.56 · 104 t year–1

of TP in the late 1990’s (Huang, 2004). However,

pollutants discharged into the lake were less than

the pollutants produced within the basin. About

1.06 · 105 t year–1 of CODCr, 2.0 · 104 t year–1 of

TN and 1.55 · 103 t year–1 of TP in the 1980’s

were discharged into the lake (Huang et al., 2001).

During the early 1990’s, total pollutants

discharged increased to 1.31 · 105 t year–1 of

CODCr, 3.1 · 104 t year–1 of TN and

1.75 · 103 t year–1 of TP (SEPA, 2000). In the

late 1990’s, the CODCr empting into the lake

increased to 1.71 · 105 t year–1, but TN and TP

decreased to 2.5 · 104 t year–1 and 1.3 ·
103 t year–1, respectively (Huang, 2004). During

the early 2000’s, inputs of CODMn, TN, and TP

were 3.76 · 104 t year–1, 2.87 · 104 t year–1 and

1.03 · 103 t year–1, respectively (Table 5) (Xu &

Qin, 2004), which are much lower than earlier

estimates. These results varied among different

investigators, but pollutants empting into the lake

probably increased in the early 1990’s and

decreased in the late 1990’s. This change may

relate to increased wastewater treatment in sur-

rounding areas.

Analysis of pollutant composition in wastewa-

ter in 1994 showed that 16% of total nitrogen

(TN) was from industrial sources, 25% from

domestic sewage, and 38% from non-point

sources (agriculture production) (SEPA, 2000).

For total phosphorus (TP), 10% was from indus-

try, 60% from sewage, and 15% from non-point

sources (SEPA, 2000). For COD, 39% was from

industry, 42% from sewage, and 10% from non-

point sources (SEPA, 2000) (Table 6). In 1998,

industrial pollution to the lake, decreased dra-

matically either in total COD, or TN and TP

(Table 6), whereas the contribution from agricul-

ture to COD and TN increased significantly and

sewage pollution contributed 70% of TP

(Table 6). This change in pollution composition

reflects rapid economic growth and land use

alteration.

Based on data from 1998, pollutants produced

by industry were mainly from the east or south-

east of the lake basin, such as Suzhou, Wuxi, and

Jiaxing (Huang, 2004). Pollutants from agricul-

ture (cropping, rice growing, etc.) accounted for

37% of COD, 49.5% of TN and 48% of TP

produced in the basin (Huang, 2004). These non-

point pollutants came mostly from the west. In

addition, poultry culture scattered in the rural

region accounted for 5% of COD, 6% of TN, and

18% of TP (Huang, 2004). Fish culture made up

5.5% of COD, 5.2% of TN, and 4.1% of TP. With

strengthening control of point sources, the con-

tribution from non-point sources, i.e., agriculture

and animal culture, likely will increase with time.

Aquaculture in the lake

The main form of aquaculture in Lake Taihu is

pen-fish-culture. Aquaculture has been limited to

East Taihu, a macrophyte-dominated bay in the

southeast part of the lake with an area of

Table 6 Comparison of
composition of different
pollution sources in COD,
TN, and TP in 1994 and
1998

Year Pollution
source

CODCr TN TP

Amount
(ton)

Percentage
(%)

Amount
(ton)

Percentage
(%)

Amount
(ton)

Percentage
(%)

1994 Industry 111,061 39 12,544 16 591 10
Domestic 119,029 42 19,948 25 3,394 60
Agriculture 28,138 10 29,842 38 852 15
Aquaculture 13,195 17 533 9

1998 Industry 93,822 26 2,686 4 191 2
Domestic 96,782 27 16,232 25 6,510 70
Agriculture 91,582 25 17,815 28 1,362 15
Aquaculture 49,627 14 17,750 28 733 8
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126 km2. Although the documented area of pen-

fish-culture was 2,830 ha (Chen & Wu, 2004),

field observations reveal that almost the entire

water surface of East Taihu is occupied by net

pens. Fish culture in this area has raised some

environmental problems. East Taihu is a shallow

bay with 95% coverage by macrophytes. In 1993,

annual macrophyte production in East Taihu was

1.12 · 106 t, which accounts for 3,920 tons of

nitrogen and 496 tons of phosphorus (Wu et al.,

1995; Yang & Li, 1996), corresponding to 58%

and 95%, respectively, of total external loading to

East Taihu. About 60 · 104 t of macrophytes

were harvested for fish farming resulting in

removal of 1,890 t of nitrogen and 296 t of

phosphorus, corresponding to 28% and 57%,

respectively, of total external loading to East

Taihu (Wu et al., 1995; Yang & Li, 1996).

Harvesting of macrophytes now is blocked due

to the proliferation of net pens. Consequently, the

lake lost an important pathway for nutrient

export. This loss has promoted sedimentation

and eutrophication in East Taihu (Table 7).

Aquaculture activities also contribute to increases

in nutrient loading and eutrophication. It is

estimated that producing 1 ton of fish requires

141 kg nitrogen and 14 kg phosphorus (Yang &

Li, 1996; Wu et al., 1995; Li, 1998), and about

65% of each is not assimilated and is subse-

quently released into the overlying water (Yang

& Li, 1996). In pen-fish-culture areas, increased

nutrient loading leads to rapid growth of phyto-

plankton, zooplankton, and bacteria. After one

year of fish farming, the phytoplankton abun-

dance was three times higher than in non-culture

areas, and heterotrophic bacteria abundance

increased 3- to 4-fold (Wu et al., 1995). Total

organic carbon, total nitrogen, and total organic

nitrogen in surface sediments increased by 141,

87.5, and 86%, respectively, after 2 years of fish

culturing (Li, 2004). Recently, fish culturing has

been replaced by the more profitable freshwater

crab culturing, which will increase the input of

feed, and further increase the deposit of organic

materials from the remnants of feed. Because fish

culture will make use of macrophytes for fish

food, the lake will output the nutrients and retard

the development of marsh in this way. In turn, the

recent aquaculture aggravates the deterioration

of water quality and degradation of ecosystem.

Marsh development

Marsh development mainly takes place in the

eastern shoreline areas, i.e., East Taihu, Xikou

Bay, and Gonghu Bay. Figure 7 shows the

expansion of spatial macrophyte distribution

(TBA & NIGLAS, 2000). From Fig. 7, macro-

phytes have extended from East Taihu in the

1960’s (Fig. 7a) to Xikou Bay and Gonghu Bay in

the 1980’s (Fig. 7b). Marsh development in East

Taihu is more serious in East Taihu because it

also functions as a flood discharge area and

drinking water supply for Suzhou and Shanghai.

These functions, however, are hampered by

marsh development. Generally, marsh develop-

ment in lakes results from organic or inorganic

material deposition, which elevates the lake

bottom, decreases water capacity, and eventually

leads to elimination of the lake (Li, 2004).

According to field investigations and TM

satellite image data in 1997, 95% of East Taihu

is covered by aquatic vegetation. Dominant spe-

cies include Potamogeton maackianus, Vallisneria

natans, and Zizania latifolia. Average macrophyte

biomass in East Taihu is about 3.8 kg m–2 with a

range of 2.0–5.6 kg m–2 (Li, 2004). Total standing

biomass of aquatic plants in Lake Taihu is about

500,000 t, and Potamogeton maackianus ac-

counted for 42%, Zizania latifolia 29.5% and

Vallisneria natans 0.2% (Li, 2004). Floating-leaf

and emergent vegetation, such as Zizania latifo-

lia, indicate accelerated marsh development in

East Taihu (Li, 2004).

Since East Taihu is the major outlet of Taihu

Lake, particles are transported and deposited in

Table 7 Changes in water quality parameters in East
Taihu in 1990’s

Year TN
(mg l–1)

NH4
+-N

(mg l–1)
NO3

–-N
(mg l–1)

TP
(ug l–1)

CODMn

(mg l–1)

1991 1.01 0.14 0.32 43 5.5
1993 1.04 0.20 0.25 75 5.6
1997 1.39 0.19 0.10 31 5.5
1999 1.65 0.475 0.23 40 6.6
2000 1.08 0.26 0.30 100 6.4
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East Taihu. Macrophytes reduce water flow

velocity and, hence, increase silting. Investiga-

tion of sediment distribution in East Taihu

showed that the top 1 m of sediment was soft

and composed of sand (98%) and organic

materials (1.5%) (Li, 2004). Sediment composi-

tion showed that most deposit materials were

allocthonous. Thus, increased sedimentation

rates and marsh development may be attributed

to pen-fish-culture, since it limited macrophyte

harvest, promoted succession from submerged

to emergent and floating-leaf vegetation, inhib-

ited water movement, and augmented deposi-

tion of macrophyte detritus and other particles.

Management

Lake Taihu has many functions, including drink-

ing water supply, flood water retention, fisheries,

tourism and shipping. These varied functions have

resulted in multi-purpose-oriented management

without sufficient coordination. Over-exploration

and over-utilization caused degradation of the

lake ecosystem and deterioration of water quality,

since some functions are contradictory, such as

water supply and fish culture. Development of a

centralized-management system, therefore,

should be considered to decelerate eutrophication

and marsh development, restore the ecosystem,

and improve water quality. Regulations and

administrative policies should be enacted, e.g.,

reclamation should be forbidden and fish-culture

should be limited in spatial distribution. A long-

term plan for pollution and eutrophication control

should be based on accurate prediction of eco-

nomic development and contaminant sources.

Watershed management should be planned and

implemented aiming at pollution source control.

Scientific research should be emphasized and

focus on internal loading from sediment, water

and nutrient budgets, and ecological restoration in

the littoral zone.

Conclusion

1. Lake Taihu has a complicated inflow and

outflow system. Water retention time is

shorter and water quality is better in the

south or southeast, whereas retention time is

longer and water quality is worse in the north

or northwest.

2. Major pollutants are mostly from the western

watershed. Most COD input is balanced by

river output, and about 30–40% of nutrient

input is retained in the lake. Most pollution is

from non-point agriculture production and

domestic sewage.

3. Light attenuation is associated with sus-

pended solids, which is related to wave

forcing. Most sediments are distributed in

the littoral zone, especially along the western

shoreline.

4. Aquaculture in East Taihu increases nutrient

concentrations in water and sediments, which

accelerates eutrophication and marsh devel-

opment. Swamping in East Taihu results from

macrophyte success, which increases sedi-

mentation rate, reduces the ability of flooding

water passing through the system and quick-

ens the tempo of extinguishment of the lake.
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EUTROPHICATION IN LAKES

The art and science of lake restoration
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Abstract Science and art encompass understand-

ing, through human hand and mind; both are

applied in the form of creation by human hand and

mind. Like Janus, the Roman god of doorways

and bridges, they are two faces of the same thing.

Great art requires great understanding and great

understanding is wasted unless it is applied to

create meaningful art, whether this is in the form

of written works or paintings. These principles

apply not least to the restoration of lakes and

whole landscapes from the human-induced dam-

age that is the antithesis of significant art and

fundamental science. Because they lie at the

lowest points of hydrologic basins, lakes reflect

the balance of human activities in their catch-

ments. If these activities are carried out well, they

contribute greatly to the landscape and to the

welfare of the human population. If carried out

badly in the sole interests of exploitation of

resources, both human and otherwise, they may

become problems reflected, for example, in eutro-

phication, algal blooms and fish kills. Lake

restoration involves first an understanding in a

reductionist (scientific) way of the processes that

drive lake ecosystems, but then of the ultimate

reasons that create these proximate problems.

Ultimate reasons lie in a much wider sphere of

human nature and the organisation of society.

Lake restoration, in its most trivial form, may be

simply a form of gardening to allay the symptoms

of problems and create the illusion of a solution.

Lake restoration in its most profound form

involves an understanding of cultural significance

and the workings of human societies and forms an

epitome for the solution of much greater, global

problems. Only in this form does it become truly

creative. Approval must come from both of the

faces of Janus.

Keywords Eutrophication � Shallow lakes �
Culture � China

Introduction

There has arisen a divide in the way that knowl-

edge is perceived. It has been called the two

cultures by the English novelist and physicist.

Snow (1959) and it concerns the gulf between

scientific perception and perception by artists,

linguists, historians, social scientists and all those

loosely grouped into the subject areas of the

humanities. Science is perceived as objective,

collects facts from survey and experiments, and

Guest editors: B. Qin, Z. Liu & K. Havens
Eutrophication of shallow lakes with special reference to
Lake Taihu, China

B. Moss (&)
School of Biological Sciences, Biosciences Building,
University of Liverpool, Liverpool L69 3BX, UK
e-mail: brmoss@liverpool.ac.uk

123

Hydrobiologia (2007) 581:15–24

DOI 10.1007/s10750-006-0524-2



interprets them in a way that is alleged to be value-

free and objective. Scholars in the humanities also

collect facts. The methodology of a historian is no

different from that of an ecologist describing past

and present ecosystems, but controlled experi-

ments are not conceivable in the arts and thus

determination of mechanism has to be left to the

perception of the observer and therefore is

regarded as subjective rather than objective. This

simplified overview disguises the fact that there

can be a great deal of subjectivity in the interpre-

tation of information collected by scientists and

that there are insights available to other scholars

that are too readily rejected by some scientists

because they are not amenable to controlled

experiment. A better way of dividing approaches

to understanding is to distinguish the reductionist

from the holistic. Scientists and those in the

humanities use both approaches, but current

practice is for scientists to be more reductionist

and humanities’ scholars more holistic.

Where ecological restoration is concerned,

there can be a harmony between the two

approaches and the lessons of the humanities,

indeed of fine art, can be applied to guide the

process. Ecological restoration, for example,

involves several stages. First there is a problem.

A habitat has to be restored because it has been

degraded to some extent. The reasons for the

damage need first to be understood or otherwise

restoration may be misguided. Secondly, the

extent of the damage must be assessed and thirdly

a target towards which restoration should be

directed must be decided. Then, fourthly, the

scientific understanding of the system is brought

into play to determine how to achieve the target

and lastly it is likely that maintenance of this new

status will require management of some sort. The

lessons of the humanities are applicable at all but

the fourth stage of technical restoration.

The parallels with the conception and creation

of fine art are considerable. Art exists to interpret

society as much as to decorate it. Science likewise

diagnoses problems as well as helps create the

artefacts of comfortable life styles. The power

with which artworks are expressed mirrors the

degree of the problem just as scientific

approaches assess the degree of damage. Resto-

ration involves design and the parallels are

obvious here and management may be both a

scientific and aesthetic process if the results of the

restoration are to be permanent and significant.

The existence of the problems

Lakes lie at the bottoms of catchment basins.

Simply because of the operation of gravity, they

will reflect activities in their catchments, man-

ifested in changed water quality, but also in

alterations to watercourses for the purposes of

water storage, flood control, pollutant disposal

and farming. A catchment covered by pristine

ecosystems will pose no problems for the

freshwater systems that drain it and indeed

there is a seamless connectance between the

terrestrial and freshwater systems. Intact eco-

systems are parsimonious with nutrients and

very little available nutrient leaches from the

land to the water. Most key nutrients are held

and recycled within the terrestrial biomass.

Pristine freshwater systems thus have extremely

low nitrogen and phosphorus concentrations,

even when the catchment soils are made fertile

from easily weathered rocks.

Pristine freshwater systems will also have

considerable structure. They are not just masses

of mixed water. Rivers have structures created

by geomorphological processes (sand bars, rif-

fles, floodplains, levees) and by woody debris

entering from the immediate catchment. Lakes

have littoral zones with a rich diversity of

emergent and submerged plants. Maintenance

of this structure may depend on the intactness

of the diversity of the ecosystem. Top predators,

wolves and bears, salmonids and other piscivo-

rous fish and birds may exert considerable top-

down effects (Ripple & Beschta, 2004a, b) that

maintain both this structure and the efficiency

of cycling of nutrients in a system where

nutrients are naturally extremely scarce. There

will also be a great connectivity between

systems. A lake does not exist as an isolated

system. It depends on organic matter washed in

from the catchment through the inflow rivers

for part of its productivity (Hanson et al., 2004).

The surrounding wetlands may be crucial for

fish and invertebrate life histories and in the
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interesting case of the functioning of northern

rivers, nutrients brought from the ocean in the

bodies of salmonid fish are recycled through

the faeces of their brown bear predators into the

riparian woodland. In turn tree debris retains

carcases after spawning to provide the nutrients

needed by the periphyton and micro invertebrates

that sustain the hatched fish once they have used

up their yolk sacs. Movements of pike (Esox

lucius) between lakes and wetlands perform

parallel roles (Klinge et al., 1995).

Parsimony of nutrients, preservation of struc-

ture, including appropriate biodiversity, and

maintenance of connectivity are the three key

elements that constitute the ‘gold standard’ for

any ecosystem restoration. A system with these

three characteristics intact is self-maintaining.

Scientists comment on deviation from this state

by recording the impacts on freshwater systems

that damage these characteristics. Nutrient parsi-

mony is eroded by eutrophication, which may also

result in a loss of structure. Catchment manage-

ment for efficient forestry may deny to rivers the

structure provided by forest debris (Harmon

et al., 1986) and connectance is easily lost through

the construction of dams and the channelisation

and embankment of lowland rivers so that they

lose hydrological connection with their flood-

plains. Essentially, a long catalogue of impacts

that damage freshwater systems ultimately boils

down to damage to the three key elements.

The problems of freshwaters are ultimately

the problems of how landscapes are managed

and therefore of the way that human societies

are controlled and managed. In the developed

world the current philosophy is of maximising

resource use in the interests of profit with

rather little consideration of the sustainability of

the resource. Early ecology contented itself with

description of the workings of intact systems;

now it is equally concerned with documenting

the damage. Likewise fine art once celebrated

the contemplative delights of pristine or lightly

used landscapes. The traditions of Chinese scroll

painting very much manifest this. But currently

much of it is dedicated to protest and comment.

Pablo Picasso’s painting of Guernica, a horrific

view of the bombing of a Spanish town in

support of extreme right wing policies is a

famous example. Peter Scott’s painting. ‘The

Natural Environment of Man’ (Fig. 1) uses art

as a means of expressing environmental contro-

versy.

The six artistic principles of Xi He

and their equivalents in lake restoration

It is in the design of targets for restoration,

however that the parallel approaches between art

and science become most interesting. In the sixth

century (Northern and Southern Dynasty) Xie He

(Hsieh Ho), in his Ku-hua p’inlu (Acker, 1954;

Tregear, 1997) posited, for the judgement of

Chinese paintings, six principles, which have been

so influential that they influenced Chinese paint-

ing into the twentieth century and may still

influence it. These were:

Q’i yun sheng tung: The painter should endow

his work with life and movement through

harmony with the spirit of nature

Fig. 1 The Natural World of Man. Peter Scott, 1961. The
painting is a comment on the dilemma faced by humans in
contemplating the advances of technology, to the right of
the picture and the consequent losses to ecosystems,
represented by a selection of endangered mammals and
birds to the left. The figure stands apart from the scene,
representing philosophies that regard the natural world as
something to be controlled by humans in their own
interests but is also transparent and melds into the natural
world. Humans are as dependent on the biosphere as all
other creatures. The figure also holds his or her arms in a
gesture of uncertainty, not knowing quite what to do about
the problems being caused by human activities. By
permission of Lady Scott, Wildfowl and Wetlands Trust,
Slimbridge
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Ku fa yung pi: Refers to structural power and

tension of the brush stroke

Ying wu hsiang hsing: Fidelity to the object in

portraying forms

Sui lei fu ts’ai: Conforming to kind in applying

colours

Ching ying wei chih: Plan and design, place and

composition

Ch’uan I mu hsieh: Transmission of ancient

models by copying

Gombrich (1995) talks of a wonderful restraint in

Chinese painting (Fig. 2). There is an economy of

line, a sense of contemplation and inner feeling for

the subject rather than a precise elaboration of

details. Technique in brushwork is economical and

firm and painted scrolls are usually adorned with

philosophic comment, also elegantly executed in

text characters. The long tradition of Chinese

painting, adopted also by Japanese painters, has its

dangers in that rigid tradition inhibits individual

inspiration and innovation, but a balance between

tradition and innovation often gives the best of

both worlds and in such a balance lies the

relevance of art to lake restoration.

With some contraction of the third and fourth

principles, which concern fidelity of form and

colour, there are equivalents to Xie Hi’s princi-

ples in the guidance that might be given for

effective lake restoration, especially in the com-

plex case of shallow lakes. There should be skill in

carrying out the work and economy in resources

and effort; there should be fidelity to the struc-

tures and nature of the system; there should be

taste in reflecting the nature of the landscape;

there should be wisdom in understanding the

essence of the relationships by reference to

pristine examples; and there should be harmony

with the spirit of wise and sustainable use. It is not

known whether there was particular significance

in the order of Xie Hi’s strictures on painting,

except that the first was the most important. The

logical parallels for lake restoration however

might re-order the equivalents in terms of:

Wisdom, Skill, Fidelity, Taste and Harmony.

Wisdom in understanding the essence
of the relationships

Understanding of the functioning of shallow lake

systems has advanced greatly since 1970. The

natural state of all lakes is to have very low

available nutrient concentrations, as discussed

above. If the natural catchment vegetation is

destroyed for urbanisation or agriculture of any

kind, these mechanisms are destroyed and leach-

ing losses increase greatly. Such eutrophication

has been associated with the loss of clear water

and submerged plant communities from shallow

lakes and their replacement with filamentous

algae and phytoplankton.

The idea that this was a process entirely driven

by nutrient increase is still held by some workers,

Fig. 2 A characteristic Chinese painting by Sheng Mou,
1330–1369. Waiting for the Ferry on an autumn river
(1351). Hanging scroll on paper. Palace Museum, Beijing
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but was challenged by Balls et al. (1989) and

Irvine et al. (1989) who found that adding large

amounts of nutrients to such plant communities

in experimental ponds did not displace the

plants. Indeed they grew better. A switch to

phytoplankton only occurred if the plants were

independently damaged by mechanical removal.

In subsequent years a range of switch mechanisms

has been recognised, each of which, especially but

not necessarily, in tandem with nutrient enrich-

ment may displace the plants (Moss et al., 1996).

These include herbicide application, grazing by

introduced birds and fish like common carp

(Cyprinus carpio L.), pesticide leachate and

increasing salinity (both of which disturb the

zooplankton grazer interactions that maintain

clear water), rise in water level and violent storms.

Thus over a large range of nutrient loadings,

dependent on whether such a switch has occurred,

shallow lakes may have alternative states of clear

water and plant dominance and turbid water with

phytoplankton dominance (Fig. 3). Sometimes,

turbidity may be created through suspended

sediment raised by wind or benthic fish in plant-

devoid waters. This understanding has come from

a range of approaches, including analysis of very

large data sets (Jeppesen et al., 1999), mesocosm

(Moss et al., 2004) and pond experiments (Balls

et al., 1989; McKee et al., 2003), whole-lake

experiments (Meijer et al., 1999) and theoretical

treatments (Scheffer et al., 1993). The general

model applies to small and moderate sized lakes

(perhaps up to the order of 102–103 km2 but is

relevant also to very large shallow lakes though

with very large wind fetches, the more exposed

portions of these may behave differently.

Part of the understanding has also come from

attempts to restore the plant communities to

Fig. 3 Alternative states scheme for shallow lakes, illustrating alternative states, forward switches and restoration measures
in the context of a range of nutrient loadings or concentrations (from Moss, 2002)
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turbid lakes. Some cultures, not least those that

have large populations to feed, may prize the

turbid state for its ease of fishing and productivity

of fish for food. The general presumption, how-

ever, is that the more desirable state of a shallow

lake is to be plant-dominated, because this state is

associated with the greatest biodiversity and

aesthetic value and the least problems of smell,

fish kills and toxicity of algal blooms. Plant

communities use a number of mechanisms to

maintain clear waters, including competition for

nitrogen with algae, allelopathy, and reduction of

eddy disturbance necessary for phytoplankton to

remain suspended. Indirect, but equally impor-

tant, mechanisms include provision of refuges

against fish predators for zooplankton grazers on

phytoplankton or macroinvertebrate grazers on

periphyton (Moss et al., 1996; Scheffer, 1998).

Restoration attempts initially centred on rein-

stating the role of grazers by temporary removal

of their fish predators, a process called biomanip-

ulation. This resulted in clear water in which

plants could grow, but protection against damage

from grazing birds was sometimes necessary

to establish self-sustaining communities. The

communities were, however, usually of low diver-

sity and vulnerable to slight disturbance that led

to return of turbid conditions. Few restorations

have been entirely successful in restoring diverse,

stable plant communities (Moss et al., 1996;

Meijer et al., 1999).

The reasons have perhaps been because the

scale of restoration attempts has been too limited,

that nutrients have not been adequately con-

trolled or that only one of two important nutrients

has been controlled. Shallow lakes have strong

links in their natural states with surrounding

wetlands that provide habitat for piscivorous fish

that control zooplanktivorous fish and hence

result in large zooplankton populations (Klinge

et al., 1995). Extensive restoration of whole flood-

plains rather than just isolated lake basins is

needed. Although alternative states exist over a

wide range of nutrient loadings, it appears that the

threshold for switches to act to remove plants is

lower when nutrients are high and that biomanip-

ulation is more effective if nutrients are reduced

and that perhaps nutrient control should involve

both phosphorus and nitrogen. Phosphorus may

control algal production but the diversity of the

plant community and hence its stability seems to

be determined by nitrogen (James et al., 2005).

Nutrient control is difficult especially when diffuse

sources dominate and generally only phosphorus

is controlled because point sources (for example,

waste water treatment works) tend to be promi-

nent and phosphorus can easily be precipitated at

them.

Moss et al. (1996) developed a technical strat-

egy for restoration, which forms an idealised basis

for restoration attempts. First the target for

restoration should be determined. The nature of

the plant community is linked to the nutrient

loading and generally diverse charophyte or

isoetid communities require very low nutrient

concentrations; mixed pondweed communities

will persist over a middle range; and nymphaeid

communities will still grow at very high concen-

trations and even when conditions are switching

to turbid conditions. Once the target is decided,

any existing or potential forward switches should

be removed. There can be no success if this is not

done. Thus, damaging fish or unusually high

numbers of grazing birds need to be removed.

Usually these are of introduced species and have

built up to large numbers in the absence of

natural predators. Risks from pesticide and her-

bicide contamination must be reduced and any

damaging management such as mechanical clear-

ance eliminated.

Nutrients should then be reduced, including

both phosphorus and nitrogen. A range of meth-

ods exists for controlling point and diffuse sources

but generally it is difficult to reduce concentra-

tions to those that are likely to favour successful

restoration. Restorations are most likely to be

successful if total phosphorus concentration is

reduced to winter values of less than 0.05 mg l–1

and total nitrogen to less than 1 mg l–1. These

suggestions are subject to much variability depen-

dent on local circumstances however and emula-

tion of the pristine condition of very low available

nutrients should be the guiding principle. The

fourth step is that of biomanipulation and a

common source of failure is for too few fish to

be removed. Successful restoration will be more

likely if stocks are reduced to lower than 2 g m–2

and if some piscivores are left in the lake. This
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will allow daphnids and other zooplankters to

increase and will clear the water, although if

retention times are long and favourable to

Cyanobacteria, there may be difficulties (Moss

et al., 1991). Cyanobacteria can be controlled by

grazing, but generally only if the proportion of

such algae is low. Thick, surface blooms generally

cannot. In the clear water, plants may spontane-

ously return from residual fragments but may

have to be reintroduced. New plantings are

vulnerable to bird damage and may need to be

protected by caging. Thereafter, once plants have

established vigorous beds, perhaps after two

years, a fish community can be reintroduced, but

should reflect the native community for the lake,

should not include exotics and should always

include piscivorous fish. Finally restoration pro-

jects should always be carefully monitored for

several years afterwards. Many are not and

valuable lessons as to why they succeed or fail

will be lost. And in all things, patience is a virtue.

It is not possible to replace over a year what may

have been lost over a century.

Beyond this catalogue of necessary technical-

ities, however, is a philosophical basis for resto-

ration and it is in this that the parallels with the

principles of Xie He for painting become very

relevant. Wisdom, skill, fidelity, taste and har-

mony are further contracted here into a hierarchy

of skill, fidelity and taste, harmony and wisdom.

Skill in carrying out the work with economy

of resources and effort

Lake restoration is often carried out by contrac-

tors, for whom it is simply a means of making

profit. The results can then fall far short of the

exquisiteness that Xie He would have expected of

his painters and that sensitive ecologists would

expect in the final result of a restoration. Mass-

produced art is rarely prized. Skill comes in

appreciating details and in minimising costs with-

out compromise on the final result.

In one restoration attempt in which I was

involved, at a lake in Wales (Moss et al., 2002), a

detailed specification of what should be done was

drawn up, including a strong proviso that certain

plant species, like Ceratophyllum demersum L.

should not be used, for they were likely to create

dense beds that would interfere with angling. The

use of plant stock bought from garden suppliers,

which might include exotics and cultivars, was

also precluded. In the event, the work was carried

out by contractors who took the cheapest options

of putting in any plant they could find, which

included the very common Ceratophyllum, and at

least effort, which meant they bought water lily

stock from garden suppliers. The result was a lake

choked by Ceratophyllum and fringed with an

inappropriate, for the site, and probably non wild-

type nymphaeid, Nymphoides peltata L. There

was public protest at the Ceratophyllum choking

and the result was that the local authority treated

the lake with herbicide and effectively reversed

the entire restoration after spending of a consid-

erable sum of money ultimately to achieve

nothing.

This however, is a small example of this

particular precept. Skill involves choosing the

right level of approach, and economy has to be

considered in the long, not the short term. There

are three levels of approach to restoration that

correspond to different levels of cause of the

problem. These are immediate, proximate and

ultimate. For a shallow lake that has switched to

phytoplankton dominance with troublesome, per-

haps toxic cyanobacterial blooms, the immediate

cause of the problem is the bloom. The immediate

treatment is to use mixing methods or algicide.

Both are cheap, temporary and ultimately inef-

fective in solving the problem for they treat only

symptoms and the money spent on them is

ultimately wasted.

The next level of treatment is to carry through

the technical strategy outlined above. This deals

with the proximate causes such as increased

nutrient loading in the catchment, introduction

of exotic fish or profligate use of herbicides and

pesticides. It will cost much more but will be

effective for a longer term. It may not be

ultimately effective, however, for continuous

control of nutrients will be needed and should

funds become unavailable or should inappropriate

fish be reintroduced for some new commercial

intention, the money will have been wasted. What

is really needed in this, as in all environmental

problems, is a profound enquiry into the ultimate
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causes, which will be political, social and cultural.

Treatment of the ultimate cause of the problem

may have to be a change in agricultural policy so

that large areas of the catchment are used as

buffer zones to allow intensive agriculture to

continue in the remainder. Or they may mean an

enquiry into the relative rights of some parts of

society to exploit the resources of the lake (for a

fishery for introduced, very productive species for

example), and the rights of other parts of society

not to tolerate this in the interests of an environ-

ment that preserves biodiversity. Skill may come

in realising these levels of approach and in aiming

to tackle the problem as high up the hierarchy of

causation as is possible.

Fidelity and taste in reflecting the nature

of the landscape

Lakes that have been damaged are frequently

incapable of being restored to anything remotely

like their pristine equivalents. Shorelines often

have been developed and damaged and may

support building development that cannot be

removed. Restoration may have to take on board

such changes. A parallel aspect of restoration is

re-creation of new lakes from quarries, gravel

excavations and other such engineering activities.

Pond creation is a widespread activity in Europe

(Andrews & Kinsman, 1990; Williams, 1999;

Moore, 2002) where former small ponds have

often been filled in as a result of agricultural

intensification to ease the use of large agricultural

machines. Taste and design are very important in

both these activities.

The guidance that Xie He would doubtless have

given to lake restorers would have been that if

natural structures such as emergent wetland mar-

gins cannot be restored, and hard edges have to be

maintained, these should be of natural materials,

appropriate to the area, especially its local geol-

ogy, and not concrete or building stone of colours

and textures that do not fit into the surrounding

landscape. He would have spurned the artificiality

of structures like fountains and artificial rafts for

bird roosting. Fountains are particularly favoured

by local government authorities, partly because

the idea is rife that water needs continually

oxygenating and partly by a perception that

moving waters are tourist attractions. Water does

not need artificially oxygenating, unless there has

been such severe organic pollution that it is in

danger of becoming permanently anaerobic and

fountains are not good oxygenating devices any-

way. Sub-surface circulation using powerful

pumps is needed in such situations. Fountains

may be appropriate to man-made pools in urban

situations but not to natural or large lakes.

In designing new lakes, there is a tendency also

to ignore the tenets of art in favour of the

conveniences of engineering. Newly excavated

lakes tend to have either geometric shapes,

square or oblong, or exaggerated sinuosity in an

attempt to avoid geometricity. Both are equally

offensive to the eye. In natural lake basins the

shape and outline are determined by the local

geology and geomorphology. No general pre-

scription can be given except that design should

take account of the subtleties of the landscape

and that this takes different talents from those

needed for the engineering of earth movement

and water retention. An appreciation of the

nature of unmodified local lake basins and what

gives them their particular characteristics is cru-

cial to this. In an aerial photograph the ultimate

results of lake creation or restoration should

blend with the landscape and not stand out

prominently as clearly different. One group of

man-made lakes, the Norfolk Broads (Moss,

2002) formed in the 14th century in the United

Kingdom, fits so well into the landscape that for

many years their anthropogenic origin was not

even realized.

Harmony with the spirit of wise and sustainable

use

Xie He’s first and most important stricture for

painters is ultimately the most important one in

lake restoration also. Problems in lakes reflect

problems in society. An algal bloom is a symp-

tom of a society that has not satisfactorily dealt

with its immediate problems of waste disposal

and food production in the best possible way. It

reflects a dominance of some interests over

others and generally these will have been the
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richest and most powerful interests. The current

dominant philosophy of the human population of

this planet is one of short-term exploitation of

resources with rather little thought for ultimate

consequences. Were this not the case we would

not be facing severe climate change, heavily

overfished seas, severe water shortages and

polluted lakes.

There is acknowledgement of the problems in

many political quarters but a policy of acknowl-

edging problems but doing little and hoping that

solutions will emerge spontaneously is a danger-

ous one. High quality lakes are set in high quality

landscapes. High quality landscapes reflect

sustainable values in society. Xie He taught that

great art reflects great understanding, fundamen-

tal values and worthy objectives. Great lake

restoration likewise reflects understanding and

objectives worthy of a society that can be

sustained, that reflects the needs of all people

and that is not just a commercial activity. And if a

Chinese art critic can be seen to offer guidance in

lake restoration, perhaps ancient Chinese philos-

ophy (Lao Tzu, approx. 500BC) can provide a

solid basis for creating the sort of society that will

sustain itself and its associated natural world, not

least its freshwater resources. It defies all pleas

above for connectedness, and a holistic and

profound approach to quote a single passage to

illustrate an entire philosophy, but Verse 67 will

have to suffice:

Some say that my teaching is nonsense.

Others call it lofty but impractical,

But to thosewho have looked inside themselves,

This nonsense makes perfect sense.

And to those who put it into practice,

This loftiness has roots that go deep.

I have just three things to teach:

Simplicity, patience, compassion.

These three are your greatest treasures.

Simple in actions and in thoughts,

You return to the source of being.

Patient with both friends and enemies,

You accord with the way things are.

Compassionate towards yourself,

You reconcile all beings in the world.

(Translated by S. Mitchell, 1999)
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EUTROPHICATION IN LAKES

Phosphorus dynamics at multiple time scales in the pelagic
zone of a large shallow lake in Florida, USA

Karl E. Havens Æ Kang-Ren Jin Æ
Nenad Iricanin Æ R. Thomas James

� Springer Science+Business Media B.V. 2007

Abstract Phosphorus (P) dynamics in large

shallow lakes are greatly influenced by physical

processes such as wind-driven sediment resuspen-

sion, at times scales from hours to years. Results

from long-term (30 year) research on Lake Oke-

echobee, Florida (area 1,730 km2, mean depth

2.7 m) illustrate key features of these P dynamics.

Variations in wind velocity result in changes in

water column transparency, suspended solids, and

total P (TP). In summer there are diurnal changes

in TP associated with afternoon winds, and in

winter, when strong winds occur for multiple

days, monthly average TP remains high compared

to summer. The magnitude of daily and seasonal

TP changes can exceed 100 lg l–1. Hurricanes and

tropical storms also cause extreme changes in TP

that are superimposed on seasonal dynamics.

When a hurricane passed 80 km south of the lake

in October 1999, mean pelagic TP increased from

88 to 222 lg l–1. During large resuspension

events, light attenuation is substantially increased,

and this influences the biomass and spatial extent

of submerged plants, as well as water column TP.

In Lake Okeechobee, TP concentrations typically

are ~20 lg l–1 when submerged plants are dense,

and soluble reactive P concentrations are reduced

below detection, perhaps by the periphyton and

plant uptake and by precipitation with calcium at

high pH. In contrast, TP exceeds 50 lg l–1 when

submerged plants and periphyton are absent due

to prolonged deep water, and phytoplankton

biomass and algal bloom frequency both are

increased. In Lake Okeechobee and other large

shallow lakes, complex models that explicitly

consider wind-wave energy, hydrodynamics, and

sediment resuspension, transport, and key biolog-

ical processes are needed to accurately predict

how lake water TP will respond to different

management options.

Keywords Phosphorus � Shallow lakes �
Sediment resuspension � Wind effects � Physical
processes � Diffusion � Eutrophication �
Long-term studies

Introduction

The seasonal and year-to-year dynamics of TP in

deep dimictic lakes have been studied for

decades, and they follow generally predictable
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patterns (e.g., Wetzel, 2001). During summer

stratification, dissolved P is incorporated into

the biomass of plankton, which subsequently

settles from the epilimnion, or is incorporated

into higher trophic levels of the food web. With

the exception of buoyant cyanobacteria or other

algae that can actively maintain their position in

the upper water (Reynolds, 1994), there is a net

downward movement of P from the epilimnion to

the hypolimnion and sediments. Once particles

have settled, the only time they return to surface

waters in a deep stratified lake may be at fall

overturn. Various authors have examined and

summarized these patterns and their underlying

processes (e.g., Hutchinson, 1975; Wetzel, 2001)

that are largely based on work done decades ago

by Mortimer (1941), Rigler (1956, 1964, 1973),

and Lean (1973a, b).

In contrast to their stratified counterparts,

shallow lakes may display highly irregular sea-

sonal and year-to-year variations in TP, largely

driven by stochastic processes that are not as

readily predicted. These lakes also are consider-

ably less studied, although in recent years that

tendency has changed (Scheffer, 1998). At any

given time, the physical transport of particulate

and interstitial P into the water column of a

shallow lake by wind energy may be orders of

magnitude greater than other inputs of P, includ-

ing diffusion, bioturbation, and external loading.

As long as a concentration gradient exists

between sediment-bound P and dissolved P in

the water (Pwater > Psediment), downward transport

of P with sediment particles may greatly exceed

other loss processes, such as algal settling (e.g.,

James et al., 1997). In shallow lakes where wind

strongly influences sediments, physical resuspen-

sion by wind-waves dominates the upward trans-

port of P, and settling of particles dominates the

downward flux (Fig. 1). In lakes not as heavily

influenced by wind, other processes in the P cycle,

including bioturbation, uptake of allochthonous P

by plankton, plants, and periphyton may repre-

sent downward fluxes of greater magnitude.

There are several ways to predict whether P

dynamics of a lake will be strongly driven by

wind-waves. These predictions range from com-

plex hydrodynamic models dealing with conser-

vation of momentum and mass (e.g., Jin et al.,

2000, 2002) to calculations of intermediate com-

plexity based on wavelength and water depth

(Caper & Bachmann, 1984) to simple index

values. An example of an index is the dynamic

ratio of Hakanson (1982), calculated as the square

root of lake surface area (km2) divided by mean

depth (m). This index was developed to identify

the relative portion of a lake bottom likely to be

influenced by wind-driven sediment resuspension.

Using data from 36 Florida lakes, Bachmann et al.

(2000) showed that when the dynamic ratio is

above 0.8, 100% of the lake bottom is subject to

resuspension, whereas at ratios below 0.8, the risk

of resuspension rapidly declines in a linear man-

ner. This method can be used to characterize the

influence of wind-generated waves on large lakes

of the world (Fig. 2). Lakes are distributed

according to their mean depth and area, with

the diagonal line indicating the critical depth for

PP

PP

PD

PD

Fig. 1 Conceptual diagram of phosphorus (P) dynamics in
a shallow lake that is heavily influenced by wind-induced
waves. The arrows indicate fluxes of P between plants and
periphyton, benthic algal mats, plankton, sediments, and

water/sediment dissolved (DP) and particulate (PP) forms.
In this example, resuspension and settling of PP dominates
the lake’s P dynamics
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any given area where the dynamic ratio is exactly

0.8. Lakes lying far below the 0.8 line are

expected to be more influenced by wind-induced

waves and sediment resuspension. Examples of

these types of lakes are Okeechobee (OK), Taihu

(TU), Dianchi (DI), Balaton (BT), George (GO),

Kasumigaura (KS), Saint Clair (SC), Chad (CD),

Chapala (CP), and Piepsi (PE). These lakes also

fall into the range of large size and low maximal

depth that indicates a predominance of random

redistribution of sediments by wind-induced

waves (Hilton, 1985; Douglas et al., 2002). Results

presented in this paper can be most readily

generalized to these other large lakes, as well as

to smaller lakes with shallower depth.

Qin et al. (2006) describe the processes

involved in P flux from sediments to water in

Lake Taihu, P.R. China. Lake Taihu is very

similar in size and depth to a lake in the USA –

Lake Okeechobee, Florida. In this paper, we

examine the P dynamics of Lake Okeechobee

as another representative case study for large

shallow lakes, and focus in particular on how P

dynamics vary at different temporal scales in

these highly dynamic ecosystems.

Materials and methods

Characteristics of the study site

The physical, chemical, and biological character-

istics of Lake Okeechobee have been extensively

documented (e.g., Aumen, 1995; James et al.,

1995a, b; Havens et al., 1996; Steinman et al.,

2002a). Therefore, only a brief overview is pro-

vided here except for attributes specifically

related to the topic of this paper. The lake has a

nutrient residence time of 3.4 years (James et al.,

1995a) and a high rate of external P loading

(>0.3 g m–2 y–1). That loading is substantially

higher than a background load of 0.08 g m–2 y–1

estimated from sediment accumulation rates

(Brezonik & Engstrom, 1998). Pelagic TP concen-

tration now averages 110 lg l–1, the ratio of total

nitrogen to total P (TN:TP ratio, by mass) is 12:1,

the ratio of dissolved inorganic N to soluble

reactive P (DIN:SRP ratio, by mass) is 6:1, and

cyanobacteria dominate the phytoplankton

(Cichra et al., 1995; Havens et al., 2003). The lake

is N-limited with surplus SRP in the water

(Aldridge et al., 1995; Phlips et al., 1997). Despite

N limitation and low N:P ratios, non N-fixing

cyanobacteria (Oscillatoria and Lyngbya) are

most common in the plankton because low under-

water irradiance restricts the occurrence of N-

fixing taxa (Anabaena, Aphanizomenon) to infre-

quent calm summer days (Havens et al., 1998,

2003).

The lake bottom is relatively flat and is 60–90 cm

above sea level (Fig. 3a). An underwater reef of

limestone near the southern end separates the

central pelagic zone from shallower south and

southwestern regions. On the western side of the

lake, there is a relatively steep bottom slope at the

edge of a low-gradient littoral marsh that supports
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Fig. 2 Large lakes of the world, plotted as a function of
their mean depth and surface area. The diagonal line
indicates the mean depth for any particular surface area
where the dynamic ratio (Hakanson, 1982) equals 0.8.
Lakes lying below this line have higher dynamic ratios, and
as such, are expected to be increasingly influenced by
wind-induced waves. Symbols: Balaton (BT), Constance
(CO), Biwa (BI), Chad (CD), Champlain (CH), Chapala
(CP), Dianchi (DI), Donghu, (DU), Gatiun (GA), George
(GO), Kasumigaura (KA), Kinneret (KI), Malawi (MA),
Maggiore (MG), Neagh (NE), Peipsi (PE), Poyang (PY),
Saint Clair (SC), Simcoe (SI), Tahoe (TH), Taupo (TZ),
Valencia (VL), Vattern (VA), Baikal (BA), Erie (ER),
Mendota (ME), Nicaragua (NI), Okeechobee (OK),
Ontario (ON), Taihu (TU), Tanganyika (TA), Washington
(WA), and Zurich (ZU). Data were obtained from the
World Lake Database of the International Lake Environ-
ment Committee (www.ilec.or.jp)
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emergent vegetation over an area of 400 km2. The

entire lake, including the littoral zone, is enclosed

by a dike constructed in the mid-1900s by the

United States Army Corps (USACE) of Engineers.

As a result of two factors—water depth and

sediment type—there also are three distinct zones

(Fig. 4) in the lake that support different com-

munities of primary producers and have markedly

different water chemistry. A central pelagic zone

is the deepest region of the lake. It is underlain by

fine-grained mud sediments (Fisher et al., 2001)

that are readily resuspended by wind-induced

waves (Jin & Ji, 2001) as in other large shallow

lakes (Otsubo & Muraoka, 1987; Luettich et al.,

1990; Kristensen et al., 1992; Qin et al., 2006). The

water column in this zone has high concentrations

of P (Phlips et al., 1995), frequent light limitation

of phytoplankton (Phlips et al., 1997), and it does

not support vascular plants or benthic algae.

Phytoplankton chlorophyll a concentrations do

not correlate with TP (Havens et al., 1999)

because most of the P is associated with resus-

pended sediment particles (details below). In

sharp contrast, TP concentrations in the interior

littoral zone are frequently below 10 lg l–1

(Hwang et al., 1998) because the main source of

water input for this zone is rainfall. Little trans-

port of nutrients occurs between the pelagic and

littoral zones except when water level is very high

(Havens, 1997). Lying between the pelagic and

littoral zones is an area of intermediate depth,

turbidity, and nutrient enrichment (Hwang et al.,

1998; Havens & Walker, 2002). This region is

referred to as the near-shore zone (Havens, 2002).

When the lake experiences prolonged high water,

as in the late 1990s, the near-shore zone becomes

dominated by phytoplankton (Havens et al.,

2001a). However, under shallow conditions it

develops a dense community of submerged plants

and clear water (Havens, 2003). The relationship

between chlorophyll a and TP in the near-shore

zone is similar to what is found in deeper Florida

and North America lakes (Mazumder & Havens,

1998).

Data sources

This paper synthesizes prior work dealing with P

dynamics in Lake Okeechobee, and aims to bring

this information together in a manner that allows

for comparisons of processes occurring at differ-

ent temporal scales. Citations are provided to the

original published sources of the information,

where details can be found for field sampling,

Fig. 3 (a) Bathymetric map of Lake Okeechobee, show-
ing bottom elevations in cm above NGVD (National
Geodetic Vertical Datum, formerly mean sea level). The
lake’s littoral marsh, a region of emergent vegetation, is
indicated by the stippled area. The inset map indicates the
lake’s location in Florida, USA. (b) Map of Lake

Okeechobee, showing three distinct habitats (pelagic,
littoral, and near-shore), as well as location of fine mud
sediments on the lake bottom and the eight long-term
water quality monitoring stations of the South Florida
Water Management District (black circles)
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laboratory methods, and experimental protocols.

Only abbreviated information is presented here,

coincident with presentation of the particular

results and conclusions of each study. Most of the

data were collected in the pelagic zone where the

South Florida Water Management District

(SFWMD) conducts monthly or semi-monthly

water quality assessment at eight stations, which

have existed since 1973 (Fig. 3b). Data from the

near-shore zone, which has been sampled since

the mid-1980s, also are presented, along with

results from studies done by the University of

Florida, under contract with the SFWMD. The

littoral zone is not addressed here because it

typifies a wetland more than a lake ecosystem. All

of the water quality sampling and analyses carried

out by the South Florida Water Management

District (SFWMD), and the agencies and univer-

sities working under contract to the SFWMD,

follows standard quality control standards that

0

05

001

051

002

052

T
P

 (
ug

 L
-1

)

57 77 97 18 38 58 78 98 19 39 59 79 99 10 3037

0

01

02

03

04

T
em

pe
ra

tu
re

 (
o
C

)

July Au ug st S tpe me rebenuJ

(a)

(b)

Fig. 4 (a) Historical record (1973–2002) of pelagic total
phosphorus (TP) concentrations in Lake Okeechobee,
based on monthly data collected at eight stations shown in
Fig. 3. (b) Representative data regarding water tempera-
tures near the surface (upper grey trace) and at the bottom

(black trace) of the mid-lake water column in Lake
Okeechobee. These are hourly data collected during
summer 1999. The lower data set represents the difference
between top and bottom temperature
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have been accepted by the State of Florida

(SFWMD, 1998). Unless otherwise indicated,

statistical significance is defined in this paper at

P = 0.05.

Results

Greater than 30 years of data indicate that

temporal dynamics in pelagic TP in Lake Oke-

echobee occur at seasonal, yearly, multi-year, and

multi-decadal time scales (Fig. 4a). Considering

first the short-term dynamics, we examined the

hypothesis of Moore & Reddy (1994) that large

fluxes of P from lake sediments might occur

during brief periods of anoxia associated with

transitory thermal stratification. During 1997–

1999 we measured water temperature and dis-

solved oxygen (DO) at surface and bottom depths

every 30 min with a YSI multi-parameter sonde.

Representative data (Fig. 4b) for temperature

indicate that in summer daily thermal stratifica-

tion does occur, forming in morning and breaking

up in the afternoon. However, anoxia never was

observed (data not shown), with 95% of DO

measurements exceeding 5 mg L–1 in the study

period. These data do not support a major role for

anoxia in stimulating sediment P release in this

lake.

At the seasonal time scale, there is a regular

pattern in water column TP (Fig. 5) that closely

tracks seasonality of wind velocity. Concentra-

tions of TP are highest in winter, when prevailing

winds are strongest and lowest in summer when

winds are relatively weak. The exception to this

pattern is when hurricanes pass close to the lake,

as occurred in October 1999 when a Category I

storm crossed the Everglades (Fig. 6) and pro-

duced maximal sustained winds of 90 km h–1 over

the center of Lake Okeechobee.

Results from the Lake Okeechobee Ecosystem

Model (LOEM, Jin et al., 2000, 2002) indicate

that the hurricane generated currents as strong as

50 cm s–1 over a large portion of the lake, and

that large amounts of mud sediment were sus-

pended from the center of the lake and trans-

ported to shoreline areas (Fig. 7). Field

observations confirmed that fine mud sediment

was deposited into bays in the south and west

regions of the lake where prior to the storm the

sediments were comprised of peat and sand,

respectively. Water quality monitoring data indi-

cate that the hurricane resulted in lake-wide

increases of TP from an average of 88 lg l–1

before the storm to 222 lg l–1 afterwards (Fig. 8).

Year-to-year variation in TP in Lake

Okeechobee is quite pronounced and some of

the variation can be explained by changes in

water level (Fig. 9). A long-term increasing trend

in water column TP (Fig. 10) coincides with

increasing inflow TP from 1973 to 1985, but then

contrasts with decreasing inflow TP afterwards.

Discussion

Pelagic phosphorus dynamics at hourly time

scales – effects of wind and diffusion

In lakes where wind-generated waves and circu-

lation are major factors controlling pelagic P

dynamics, large changes in TP concentration can

occur in short time intervals. Kristensen et al.
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eight stations shown in Fig. 3. The three selected years are
1999, 2000, and 2001
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(1992) evaluated changes in TP in Lake Arreso,

Denmark (mean depth 2.9 m) and documented

increases of 100–400 lg P l–1 over time periods

less than 12 h. Large increases in TP followed

short-lasting periods of increased wind velocity

with rapid declines in TP concentration after the

winds had subsided. Similarly, Hamilton &Mitch-

ell (1997) examined TP concentration on calm vs.

windy days in seven lakes in New Zealand (mean

depth < 1.5 m) and estimated that daily varia-

tions of TP were as great as 700 lg P l–1. Sub-

daily data are not available for Lake Okeechobee.

Fig. 6 Graphics from the National Hurricane Center,
showing the movement of Hurricane Irene across the
Florida peninsula, from 1930 h on October 15 to 1630 h on
October 16, 1999. These figures are presented to illustrate

the location of the eye of the storm as it moved south of
Lake Okeechobee, as well as the wind field patterns. As
indicated on the panels, the specific wind velocities are not
valid over land

Fig. 7 Results of the Lake Okeechobee hydrodynamic
and sediment transport model (Jin et al., 2000, 2001; Jin &
Ji, 2003), showing surface current velocity vectors (black
arrows) and resuspended sediment concentrations (grey

scale) on October 8, before Hurricane Irene, and October
15, 1999, during the onset of the storm. The inset panel
indicates wind velocity and direction recorded at the
meteorological station at mid-lake
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However, correlations exist between total sus-

pended solids, vertical attenuation coefficient

(Ko) and TP (Reddy et al., 1995; Hanlon et al.,

1999; Sheng, 1999), allowing for an estimated

occurrence of wind-induced high TP events.

During summer, wind velocities are maximal in

afternoon (coinciding with thunderstorm activity)

and again in the evening due to winds off the

Atlantic Ocean. Hanlon et al. (1999) found large

increases in Ko (from below 2 up to as high as

9 m–1 and lasting for just 1–2 h) within 2 h of

maximal wind occurrence. Output from the

LOEM indicate a similar time lag in Lake

Okeechobee (Jin et al., 2002). The predicted time

lag does not appear to be associated with energy

transfer to the lake bottom, which occurs within

30 minutes or less. Rather, it seems to be asso-

ciated with vertical transport of fine sediment

particles to the upper water column. Sheng (1993)

estimated that wind events of 30 km h–1 could

increase water column TP by as much as

180 lg P l–1 within approximately the same

period of time as estimated by the LOEM.

Wind-induced sediment resuspension is esti-

mated to transport 6–18 times the amount of P to

the water column as diffusive flux in Lake

Okeechobee (Sheng, 1993; Moore & Reddy,

1994), and up to 6 times the amount of P found

in external loads, when the data are compared on

a yearly basis. This compares with the estimate by

Qin et al. (2006) that TP loading due to resus-

pension in Lake Taihu is 5–10 times the external

load. However, Reddy et al. (1995) noted that the

amount of SRP released to the water column in a

typical diurnal event is only a small fraction of the

TP that is resuspended in a shallow lake. They

concluded that the increase in SRP is limited by

the high Fe content of this lake’s sediments, and

their low equilibrium P concentration, which

Fig. 8 Total phosphorus (TP) concentrations in the open
water regions (pelagic and near-shore zones) of Lake
Okeechobee, during October 1999, two weeks before

Hurricane Irene, and November 1999, two weeks after the
storm. Contours of TP concentration were interpolated
from point data using Surfer� Software.
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favors sorption over desorption on sediment

particles in the water column. Not all lakes may

behave in this manner. Sediment resuspension

may be a source, a sink, or have no effect on

water column SRP depending on sediment geo-

chemistry and other factors (e.g., Andersen, 1974;

Peters & Cattaneo, 1984; Sondergaard et al.,

1992). An opposite extreme from Lakes Oke-

echobee and Taihu is Lake Arreso, Denmark,

where Sondergaard et al. (1992) documented a

large net transport of SRP into the water column

during resuspension events (20–30 times the SRP

release from undisturbed sediments). They con-

cluded that this massive SRP release occurred

because (1) a large portion of sediment P in Lake

Arreso occurred in a loosely-adsorbed organic

form; (2) the sediments had a low ratio of Fe to P;

and (3) there was a high equilibrium P concen-

tration (50 to 180 lg l–1). In contrast, Lakes

Okeechobee and Taihu have high Fe:P ratios in

their sediments, so that desorption of SRP during

resuspension is not favored (Moore & Reddy,

1994; Qin et al., 2006).

Sondergaard et al. (1992) described a process

whereby the combination of SRP desorption from

resuspended sediment particles and rapid uptake

of SRP by phytoplankton acts like a ‘‘pump’’ for

transferring P into the water column of Lake

Arreso. In that lake, light availability in the mixed

layer is sufficient to allow a high biomass and

productivity of phytoplankton to occur. In Lake

Okeechobee, phytoplankton is severely light lim-

ited (Phlips et al., 1997) in the pelagic zone, has a

low biomass, and is less likely to have this impact

on P dynamics. Hence, while generalizations may

be made about effects of wind resuspension on TP

in large shallow lakes, the effects on SRP cannot

be predicted without information regarding such

factors as sediment biogeochemistry and mean

irradiance in the water column.

Hourly variations of TP concentration in Lake

Okeechobee are most pronounced in summer

when there are large-scale changes inwind velocity

between late morning (low wind) and afternoon-

evening (higher wind, due to thunderstorms).

During winter, when convective thunderstorms

do not form around the lake and daily variations in

wind from the ocean are less pronounced, regional

low versus high pressure systems generally deter-

mine wind velocities over the lake. In that case it is

common to have periods lasting for two or more

days with strong sustained winds from a particular

direction. As a result, the concentration of TP is

more likely to remain elevated over multiple days,

with less intra-daily variation.

Passive diffusion of P from lake sediments to

the water column also can be important in

shallow eutrophic lakes, as in deeper systems.

However, when Fe chemistry regulates P release,

the flux will depend on the occurrence of calm

conditions of a sufficient duration to allow ther-

mal stratification and bottom water anoxia. In

profiles of intact sediments from Lake Okeecho-

bee, soluble reactive P increased from near

0.1 mg l–1 at the sediment-water interface to

1.1 mg l–1 at sediment depths below 10 cm

(Moore & Reddy, 1994). The authors concluded

that large fluxes of P from the sediment could
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Fig. 10 Monthly mean concentrations of total phosphorus
(TP) for Lake Okeechobee pelagic zone and inflows, from
1973 to 2002. The line indicates a long-term trend in the
data for pelagic TP. The inflow data do not display a linear
trend
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occur if the water column were to experience low

dissolved oxygen levels, but as shown here that is

unlikely to occur on a regular basis. Thus a

relatively low rate of P release under oxidized

conditions dominates the diffusive release of P to

the water column in this lake. Similar results

were obtained for Lake Taihu, where Qin et al.

(2006) note that ‘‘constant dynamic disturbance

frequently transports oxygen to the sediment-

water interface’’ such that variations in dissolved

oxygen and Eh are quite small.

Although diffusive P release may be small

compared to the P transport associated with

sediment resuspension, it still could play an

important role in providing readily available P

to the water column (Moore & Reddy, 1994). The

effects on water quality then will depend on

whether there are adequate light conditions for

net phytoplankton growth during or subsequent

to the resuspension event.

The results regarding P dynamics at hourly to

daily time scales in Lake Okeechobee also are

consistent with the findings of Kristensen et al.

(1992), who concluded that in the shallow Danish

lake (Lake Aresso, area 41 km2, mean depth

3 m), the input of P to the lake water is

dominated by resuspension. The same result is

found in Lake Kasumigaura, Japan, where despite

high rates of P release by diffusion (Ishikawa &

Tanaka, 1993), the ratio of TP supply to the water

column from resuspension vs. diffusion is 10:1

(Havens et al., 2001b). This is similar to the ratio

estimated for Lake Okeechobee.

Seasonal dynamics of pelagic phosphorus

As a result of seasonal variation in wind velocity,

and its influence on duration and magnitude of

sediment resuspension (Jin & Ji, 2001), a predict-

able seasonal pattern exists for TP in Lake

Okeechobee. Phlips et al. (1995) identified this

seasonal pattern using contour maps of winter vs.

summer TP content based on four years of

integrated water samples from 84 locations in

the lake. In winter, TP ranged from 50 to 110 lg l–

1, while in summer the range was between 30 and

80 lg l–1. We found that in any given year, over

70% of the monthly variation in pelagic mean TP

could be explained by wind velocity.

The response of phytoplankton to the winter

increase in pelagic TP is minimal because most of

that P is associated with abiotic seston particles.

Those particles attenuate light to the extent that

the algae are light limited during most of the

winter months, when there is complete mixing of

the water column (Aldridge et al., 1995; Phlips

et al., 1995). One might consider that lower water

temperatures and shorter photoperiod in winter

also could limit phytoplankton biomass. How-

ever, this is unlikely because chlorophyll a con-

centrations in near-shore regions not influenced

by sediment resuspension often are maximal

during winter. That differing seasonality has been

attributed to a reduced competition with plants

and periphyton for water column phosphorus

during winter months (Phlips et al., 1993).

Hurricane effects on pelagic phosphorus

In regions of the world that are influenced by

tropical storms (hurricanes and cyclones), these

extreme and unpredictable events may have

strong impacts on P dynamics of lakes, yet those

impacts are little studied. A major limitation is

lack of substantive data prior to and after the

event, which reflects the unpredictable timing and

location of these severe storms.

There is evidence that a tropical storm con-

tributed to a large decline in submerged plants in

Chesapeake Bay in the 1970s and accompanying

changes in water quality (Bayley et al., 1978), and

it has been suggested that a hurricane caused the

large-scale loss of plants and development of

dense phytoplankton blooms in Lake Apopka,

Florida in the 1940s (Clugston, 1963; Bachmann

et al., 1999). We documented major impacts of a

Category I hurricane in 1999 on sediment sus-

pension and transport and water column TP in

Lake Okeechobee.

When wind velocities decline abruptly, as they

did after the 1999 hurricane passed beyond

Florida, strong currents persist in the lake as

residual circulation from the previous wind forc-

ing event (Jin & Ji, 2001). Hence, sediment

particles may be transported long distances from

where they are resuspended, in particular if they

are very fine-grained like the mud sediments that

predominate in the center of Lake Okeechobee.
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The modeling scenario illustrated here (Fig. 7)

indicated that over 10,000 metric tons of fine-

grained mud sediment was uplifted during the

storm. Concentrations of TP remained high in the

lake for two months after the hurricane, and

displayed a second large increase (to above

230 lg l–1) when another wind storm passed over

the lake in late winter 2001.

During the last century, the Florida peninsula

experienced landfall by a named tropical

storm, on average, once per year, and landfall

by a hurricane (wind velocity >120 km h–1)

every 2–3 years. A major hurricane (wind veloc-

ity >180 km h–1) impacted the peninsula every

5–6 years. Wind velocities decline as a tropical

storm moves over land, so sustained winds over

the lake in any given storm might be consider-

ably lower than at the time of landfall. Never-

theless, Lake Okeechobee is located in a position

that has a high probability for tropical storm

impacts. This also may be true for some large

shallow lakes in lowland areas of Asia. Given

that Hurricane Irene had low wind velocities for

a tropical storm and did not pass directly over

Lake Okeechobee, the impacts summarized here

may be in the lower range of what can occur

when a tropical storm passes over a large shallow

lake. In August and September 2004, for exam-

ple, three major hurricanes passed over the

Florida peninsula, all causing substantial storm

surges and resuspension events in Lake Oke-

echobee. We are in the process of analyzing the

impacts, and will report those results in a future

publication.

Of additional interest is the expected influence

of long-term trends in ocean currents on future

hurricane frequencies. During the period from

1995 to 2000, the Atlantic Ocean experienced the

highest activity of hurricanes ever measured, and

this has been linked with a warm phase of the

Atlantic Ocean Thermohaline Current (AOTC),

which is projected to last 20–40 years (Landsea,

2001). Thus the P dynamics of a lake impacted by

hurricanes may be influenced by environmental

changes occurring at a much greater spatial scale

than the lake’s own watershed. While limnologists

have become attuned to the need to manage lakes

in a watershed context, an even broader context

may sometimes be required.

Inter-annual variations in pelagic phosphorus

Canfield & Hoyer (1988) suggested that the

variation in yearly mean TP of the lake’s pelagic

zone was due to variations in water level (r = 0.70,

1973–1984). Havens (1997) confirmed that a sta-

tistical relationship existed for the years 1973–

1995, albeit with a lower correlation (r = 0.50)

than in Canfield & Hoyer’s data set, and he

summarized the various mechanisms that might

explain the correspondence between lake stage

and TP. Four hypotheses have been proposed: (1)

littoral flooding occurs at high stage, and is

followed by P release from dead plants (Canfield

&Hoyer, 1988); (2) increased horizontal transport

of resuspended sediment occurs when water levels

are high (Maceina, 1993); (3) greater uptake of P

by submerged plants and periphyton occurs when

water levels are low (Phlips et al., 1993); and (4)

co-variation of wind and water level occurs on a

yearly basis, but wind actually is the driving factor

(Maceina & Soballe, 1990) and water level only is

a covariate, not a causal factor.

The first hypothesis is rejected based on several

lines of evidence (Havens, 1997). The lake’s

littoral zone is nutrient-poor compared to the

pelagic, and taken together, the biomass of all

submerged and emergent plants and periphyton

in the littoral and near-shore zones contain just

0.8% of the lake’s P, compared to 97.1% in the

sediments (Steinman et al., 1999). Dierberg

(1992) and Harris et al. (1995) carried out

decomposition experiments to quantify P release

from submerged and emergent vegetation,

respectively, in this lake. They concluded that

the potential for increased TP in the pelagic zone

due to P release from dead plants was on the

order of 3–11 lg l–1 much lower than the year-

to-year variation in TP that has been observed

with rising and falling lake water levels. There-

fore, we focus here on the other three hypotheses,

which seem more likely to be responsible for the

TP variability at an intermediate time scale.

Water level, phosphorus, and horizontal

mixing

Maceina (1993) suggested that the bottom topog-

raphy of Lake Okeechobee, in particular the
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limestone reef near the southern and south-

western area, influences horizontal transport of

sediment particles that are resuspended by wind-

induced waves at mid-lake. He further suggested

that at high lake stage (surface elevation > 4.9 m

mean sea level) sediments could readily be

transported over the top of the reef, whereas at

low water levels (surface elevation < 4.6 m) this

transport would be partially blocked. As a result,

the lake-wide average TP, which is based on eight

stations, two of which occur in the near-shore

zone, would be higher at higher lake stages. To

support this proposed mechanism, Maceina

(1993) showed that the difference between

pelagic and near-shore TP concentration declined

with increasing lake water level, i.e., the lake

became more homogenized. We examined this

relationship using recent data from the lake,

including data from the eight long-term stations,

plus data from 30 stations located in the near-

shore zone that have been sampled since 1986.

The result was consistent with what Maceina

(1993) observed. In the pelagic zone, TP in-

creased only slightly with increasing lake stage,

whereas in the near-shore zone, TP increased

much more rapidly, from TP near 40 lg l–1 at

stage <4 m to TP near 80 lg l–1 at stage ~5 m. As

a result the difference in TP concentration

between pelagic and near-shore zones dropped

from near 60 lg l–1 at low stage to near 20 lg l–1

at high stage. The two pelagic stations located

furthest south and west (Fig. 3b) respond to stage

in a similar manner to the near-shore stations, and

are largely responsible for the slight decline in TP

at lower stage when the eight-station pelagic

network is averaged.

In addition to the empirical relationships,

hydrodynamic modeling (Sheng, 1993) supports

the concept of greater horizontal mixing of the

lake at high stage. Sheng concluded that ‘‘during

low lake stage, wind-driven circulation gyres are

generally confined to the open water (pelagic)

zone, with little mixing into the vegetation (near-

shore) zone.’’ The LOEM gave a similar result

when it is run under low vs. high stage conditions,

with all other factors (e.g., wind velocity) being

held constant.

In this particular lake it is important to

understand why the near-shore zone displays a

strong correspondence between TP and lake

stage. That zone includes drinking water intakes

for several municipalities, it is the main location

of recreational fishing, and it provides critical

vegetative habitat for fish, wading birds, and other

wildlife (Havens, 2002). Hence, changes in TP

concentration of the near-shore zone have a

greater potential to impact ecological and societal

values of the lake than changes in TP of the

pelagic zone. This situation likely exists in other

large shallow lakes.

Water level, phosphorus, and submerged

plants

Another explanation for the reduced lake-wide

TP at lower stage is that submerged plants and

algae sequester large amounts of P from the water

column, either by direct uptake (Burkholder

et al., 1990; Hansson, 1990) or other processes

associated with dense plant beds, including

increased particle settling (Kufel & Kufel, 2002),

sediment stabilization (Vermaat et al., 2000), and

co-precipitation of P with calcium at high pH

(Murphy et al., 1983). In Lake Okeechobee, it has

been established that the biomass and spatial

extent of submerged plants and algae is con-

trolled by water level (Steinman et al., 2002b;

Havens, 2003). In the late 1980s, following a

drought and low lake stage, submerged plants

covered between 18,000 and 21,000 hectares of

the near-shore zone (Zimba et al., 1995), and

nutrient-poor water and low biomass of phyto-

plankton coincided with seasonal maxima of

submerged plants (Phlips et al., 1993). As noted

above, this generally happens in winter. From

1995 to 1999, water levels in the lake were high,

and the spatial extent of submerged plants

declined to below 2,000 ha. Water in the near-

shore zone displayed high TP concentrations and

was extremely turbid (Havens et al., 2001a).

During 2000–2001, another drought resulted in

record low water levels in the lake, and the spatial

extent of submerged plants again increased, to

over 17,000 hectares (Havens et al., 2002).

Havens (2003) found that the average biomass

of submerged plants in the near-shore zone could

be predicted from water depth and non-volatile

suspended solids.
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These results demonstrate correlation between

plants and clear water, but cannot tell us whether

plants are responsible for the improved water

quality, or were simply responding to clear water

caused by some other processes. Even if plants

have local impacts on water quality, it is impor-

tant to determine the spatial scale at which they

influence TP in such a large lake, where much of

the bottom (due to soft mud sediments) is not

suitable for their colonization. At their maximal

spatial extent in 2002, submerged plants covered

just 13% of the combined surface area of the

pelagic and littoral zones. It therefore is unlikely

that they would substantially control TP concen-

tration at a lake-wide scale. The vegetation might

influence the 8-station average calculated in the

long-term monitoring program, because 2 of

those stations occur in areas that can support

plants, but this effect on 25% of the stations

should be limited. Only if there are strong

currents passing through the near-shore zone

would submerged plants be expected to influence

lake-wide TP, and as discussed, water and nutri-

ent transport to the near-shore zone is reduced

when lake stage is low and plants are at their

greatest density (Sheng, 1993). Submerged plants

in Lake Okeechobee likely have a localized effect

that somewhat dampens seasonal and year-

to-year variations of TP, but physical processes

are of considerably greater importance. Consid-

ering data from a seasonal survey program for

submerged plants in Lake Okeechobee (Havens,

2003), there is a synchronized rise and fall in

water depth, non-volatile solids (indicative of

inorganic sediments), and phytoplankton chloro-

phyll a between 1999 and 2002 (Havens et al.,

2004). This pattern occurs both at sites with and

without submerged plants.

Wind and phosphorus at a yearly time scale

Wind has been identified as the main driving

force behind P dynamics at hourly, daily, and

seasonal time scales, and it also may be the main

factor influencing year-to-year variations in pela-

gic TP. Maceina & Soballe (1990) examined this

relationship, using pelagic TP data from 1975 to

1988. They found that yearly-averaged TP and

stage were correlated (r = 0.61), but noted that

the correlation between TP and wind velocity was

stronger (r = 0.78). Havens (1997) examined a

longer dataset (1973–1995) and obtained similar

results (TP vs. stage, r = 0.50; TP vs. wind,

r = 0.64).

We cannot identify the causal mechanisms

behind year-to-year variations in TP based on

field observations and correlations, and it is not

possible to perform controlled experiments at a

scale that is relevant to what occurs in the

>1,000 km2 pelagic zone of this lake. Further-

more, simple empirical models cannot effectively

predict temporal changes in water column TP,

chlorophyll a, and other attributes. In the case of

Lake Okeechobee, our approach to understand-

ing the driving factors for variations in TP and

reasonably predicting future trends has been to

develop the LOEM. Similar tools are used for

management of large shallow coastal systems,

such as the Chesapeake Bay (Cerco & Cole, 1994)

and Tampa Bay, Florida (Yassuda & Sheng,

1997), and in other large shallow lakes including

Lake Taihu.

Phosphorus dynamics over multiple decades

Underlying the seasonal and year-to-year varia-

tion in pelagic TP of Lake Okeechobee is a

30-year trend of increasing concentrations. This

increase is approximately 20 lg l–1 per decade

(P < 0.01, seasonal Kendall’s Tau test). The

minima, maxima, and central tendency of the

data all display a systematic increase, and a non-

linear pattern can be seen in the smooth curve fit

to these data. Paleolimnological data (Brezonik &

Engstrom, 1998) indicate a trend of increasing P

deposition rate in the lake that extends back as

far as 1910.

The trend in pelagic TP documented during the

last 30 years may be a result of several factors,

including: (1) substantial changes in the TP

concentration of water flowing into the lake; (2)

a delayed response of the lake to recent reduc-

tions in TP input due to P recycling from

sediments; and (3) reduced P assimilation by the

ecosystem due to saturation effects. The concen-

tration of TP in water flowing into the lake was

near 150 lg l–1 in the early 1970s, increased to

over 200 lg l–1 in the early 1980s, and then
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declined back to near 150 lg l–1 in the early

1990s. Two recent years (1999 and 2001) are

outliers, perhaps reflecting effects of (1) intense

runoff during and after the hurricane in 1999, and

(2) flushing of the watershed after a 2-year

drought in 2001. Otherwise, there has not been

any upward or downward trend in inflow TP

during the last decade.

Declining inflow TP concentration after the

1980s has been attributed to an array of P

management programs that were implemented

in the watershed (Flaig & Havens, 1995; Havens

et al., 1996). Coincident increases in lake water

TP from the 1970s to 1980s, and a plateau of lake

water TP from the 1980s to 1990s, are typical

response patterns for shallow eutrophic lakes

with high internal recycling of P (Sas, 1989).

Concentrations of TP in the water column

increase with increasing external inputs, but then

remain high because the surface sediments (the

source of internal P loading) reflect the past

loading conditions until they are buried by new

sediment material with a lower concentration of

P. The sediment accrual rate in Lake Okeecho-

bee is ~0.1 cm y–1 with the upper 5 cm of

sediments interacting with the overlying water

column through diffusion and resuspension

(Reddy et al., 1995). As a result, the lake

response time to changes in external P inputs is

expected to be on the order of decades. For

predicting response time of other shallow lakes to

P load reductions, deposition rate and depth of

active sediment layer are of particular impor-

tance, yet they are difficult to determine. Esti-

mating net sediment deposition rate, for example,

requires paleolimnological analysis and undis-

turbed sediment cores (Brezonik & Engstrom,

1998). In large shallow lakes that are heavily

influenced by wind, it is important to confirm that

sediments preserve an undisturbed historic record

before using profiles to estimate process rates

or to infer past conditions. In some lakes, this

may not be the case. Depth of the active layer

also can be influenced by bioturbation of macro-

invertebrates (Van Rees et al., 1996), and in

some lakes with reduced P loading, SRP

migrates from deeper sediment layers as surface

sediment P content is depleted through diffusion

(Sondergaard et al., 2001).

There also is evidence that the sediments of

Lake Okeechobee have become saturated with P

over recent decades, and that this may contribute

in part to the lake’s poor response to reduced P

inputs. Fisher et al. (2001), for example, docu-

mented that porewater SRP concentration in the

lake’s surface sediments increased significantly

between 1988 and 1998, suggesting a saturation of

binding sites. Further, the P mass balance for

Lake Okeechobee indicates that the net P sedi-

mentation rate declined four-fold from the 1970s

to the 1990s (Havens & Schelske, 2001). This

apparent P saturation led resource managers to

consider sediment treatment, with calcium or

alum, as a way to help speed recovery of the lake.

However, due to the large size of Lake Okeecho-

bee, its extreme shallow depth, and a variety of

other engineering, ecological, and economic

issues, this active management was determined

to be non-feasible. Smaller lakes may be more

suitable for this type of management (e.g., Cooke

et al., 1993).

Conclusions

A substantial portion of the global storage of

surface freshwater occurs in large shallow lakes

(Herdendorf, 1984). These lakes typically are

located in lowland areas (Fig. 11) that are readily

used for agriculture and other human activities.

As such, large shallow lakes are likely to receive

substantial inputs of non-point source agricultural

pollution, as well as solids from soil erosion in

upstream watersheds. Unless they are rapidly

flushed, their sediments become natural sinks for

accumulation of P, nutrients, and other pollutants

(Havens & Steinman, 1995). Based on the infor-

mation presented in this case study of Lake

Okeechobee, the following conclusions are ar-

rived at regarding large shallow lakes, with

emphasis on lakes that have a dynamic ratio

substantially greater than 0.8 and occur in coastal

areas influenced by sea breeze winds and/or

tropical storms.

(1) Physical processes of sediment resuspension

and horizontal circulation dominate ecosys-

tem P dynamics.
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(2) Rapid increases in P concentration can

occur at time scales from days to weeks,

and at a magnitude that is considerably

greater than at longer time scales.

(3) The potential to modify trophic state by

manipulating the food web is minimal

because physics overwhelms biology in

terms of controlling P dynamics, light avail-

ability, and other key attributes in this

ecosystem.

(4) One exception is that by controlling water

level, there might be potential to influence

TP by promoting growth of submerged

aquatic vegetation. However, depending on

sediment type and bottom profile, this has a

variable influence on lake-wide TP.

(5) Responses of lake water TP concentration to

external P load reduction are significantly

delayed by internal recycling, as indicated by

Sas (1989), and this situation may be exac-

erbated where lakes are influenced period-

ically by tropical storms.

(6) Simple empirical models are not effective as

tools for eutrophication management in

lakes of this type. Resource managers will

require more complex models that take into

consideration lake hydrodynamics, with

wind as a major external driver.

The emphasis in limnology clearly has shifted

from traditional studies of temperate dimictic lakes

to a more holistic consideration of the variety of

lake types in the world (e.g., see Wetzel, 2001).

Large shallow lakes, in particular, have received

attention in special symposia in Europe (e.g., Van

Liere & Gulati, 1992), and now in Asia (this special

issue). Such lakes contain a large percentage of the

world’s fresh water, provide ecosystem services to

hundreds of millions of people, and are located in

areas prone to anthropogenic and climactic im-

pacts. An understanding of their main driving

factors, especially those related to limiting nutrients

such as P, is critical to their protection. A challenge

for the future is how to most effectively generalize

results of research on lakes such as Okeechobee

and Taihu, where funding for research and numer-

ical model development has been favorable, to help

address the water quality issues in similar ecosys-

tems at locations where that level of investigation

has not been possible.
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Chromophoric dissolved organic matter (CDOM)
absorption characteristics in relation to fluorescence
in Lake Taihu, China, a large shallow subtropical lake
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Abstract Absorption measurements from chro-

mophoric dissolved organic matter (CDOM) and

their relationships with dissolved organic carbon

(DOC) and fluorescence were studied in Lake

Taihu, a large, shallow, subtropical lake in China.

Absorption spectra of lake water samples were

measured from 240 nm to 800 nm. Highest values

of a(k), DOC and Fn(355) occurred near the river

inflow to Meiliang Bay and decreased towards the

central lake basin. A significant spatial difference

was found between Meiliang Bay and the central

lake basin in absorption coefficient, DOC-specific

absorption coefficient, exponential slope coeffi-

cient, DOC concentration and fluorescence value.

The spatial distribution of CDOM suggested that

a major part of CDOM in the lake was from

river input. CDOM absorption coefficients were

correlated with DOC over the wavelength range

280–500 nm, and a(355) was also correlated with

Fn(355), which showed that CDOM absorption

could be inferred from DOC and fluorescence

measurement. The coefficient of variation be-

tween a(k) and DOC concentration decreased

with increase in wavelength from 240 nm to

800 nm. Furthermore, a significant negative linear

relationship was recorded between S value

and CDOM absorption coefficient, as well as

DOC-specific absorption coefficient. S value and

DOC-specific absorption coefficient were used as

a proxy for CDOM composition and source.

Accurate CDOM absorption measurements are

very useful in explaining UV attenuation and in

developing, validating remote sensing model of

water quality in Lake Taihu.

Keywords Chromophoric dissolved organic

matter (CDOM) � Fluorescence � Dissolved

organic carbon (DOC) � DOC-specific

absorption coefficient � Spectral slope
coefficient � Lake Taihu

Introduction

Chromophoric dissolved organic matter (CDOM)

is the light absorbing (ultraviolet and visible)

fraction of dissolved organic carbon (DOC)

(Kirk, 1994). Spatial and temporal distribution
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of CDOM in aquatic ecosystems can affect

ecosystem productivity; negatively impacting

primary productivity since CDOM absorbs light,

while positively impacting secondary productivity

by providing a substitute for microbial respiration

via photo-degraded CDOM (Benner & Biddanda,

1998; Reche et al., 1998; Mazzuoli et al., 2003).

Overlaps of pigment absorption spectra with

CDOM absorption at blue wavelengths compli-

cate the use of chlorophyll a retrieval algorithms

based on remotely sensed ocean color (Carder

et al., 1991) and lead to chlorophyll a concentra-

tion overestimation (Nelson et al., 1998;

Rochelle-Newall & Fisher, 2002a). In addition,

high CDOM concentrations can act as a photo-

protectant against UV damage to aquatic organ-

isms (Williamson et al., 1996). Several studies

have identified CDOM as the most important

factor controlling UV attenuation in natural

freshwaters (Morris et al., 1995; Laurion et al.,

2000). However, protection of aquatic biota

against UV radiation provided by dissolved

humic material may be diminished with CDOM

photodegradation by UV radiation (Morris &

Hargreaves, 1997) and acidification (Schindler

et al., 1996; Yan et al., 1996).

In shallow, inland lakes and coastal waters,

absorptionbynon-chlorophyllous substances often

exceeds that by phytoplankton (Carder et al., 1991;

Frenette et al., 2003). CDOM originates from

phytoplankton degradation and river inputs and

land drainage, especially in inland waters.

Although CDOM influences lake optical proper-

ties, remotely sensed spectra, and biogeochemical

processes, the CDOM dynamics in diverse aquatic

environments are not well known. A thorough

inventory of regional CDOM distribution and its

light absorption in wavebands covering UV and

visible radiation spectra have not been conducted

in Lake Taihu. This information is needed to

interpret satellite and airplane remote sensing

imagery to be used to record lake response to

changes in environmental conditions, such aswater

pollution, eutrophication and cyanobacterial

blooms. In this paper, we describe the absorption

spectrum of CDOM in lake water samples from

north Lake Taihu. To examine CDOM, the

following aspects are addressed in this paper:

(1) Spatial distribution of CDOM in different

lake regions interpreted by absorption

spectra;

(2) The relationship between CDOM absorp-

tion coefficients and DOC concentrations;

(3) Variations in the absorption spectra with

wavelength and fluorescence.

Materials and methods

Study area

Forty sampling sites were chosen in the northern

lake. Sampling site 24 was located at the boundary

Fig. 1 Position of
sampling sites during the
cruise
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of Meiliang Bay and the central lake. Sites 1–24

were distributed in Meiliang Bay, and other sites

were in the central lake (Fig. 1). Meiliang Bay is

eutrophic with an area of 132 km2 andmean depth

of 2.0 m. Lujiangkou and Liangxihe Rivers flow

into the bay (Fig. 1).

Absorption of CDOM and DOC

concentration

Water from 0 m to 0.5 m depth for CDOM

absorption and DOC analysis was collected in

250 ml acid-cleaned plastic bottles and held on ice

while in the field. In the laboratory, these samples

were kept at 4�C until analysis within two days.

All samples were filtered at low pressure through

pre-combusted Whatman GF/F filters (0.7 lm)

into glass bottles pre-combusted at 550�C for 6 h

(Del Castillo et al., 1999; Del Castillo & Coble,

2000; Rochelle-Newall & Fisher, 2002b; Yacobi

et al., 2003; Frenette et al., 2003; Callahan et al.,

2004; Chen et al., 2004). Absorption spectra were

obtained between 240 nm and 800 nm at 1-nm

intervals using a Shimadzu UV-2401PC UV-Vis

recording spectrophotometer with matching 4 cm

quartz cells. Milli-Q water was used in the

reference cell. Absorption coefficients were

obtained by using following expression (Kirk,

1994):

aðk0Þ ¼ 2:303DðkÞ=r ð1Þ

where a(k¢) is uncorrected CDOM absorption

coefficient at wavelength k, D(k) is the optical

density at wavelength k, and r is the cuvette path

length in m. Absorption coefficients were cor-

rected for backscattering of small particles and

colloids, which pass through filters, using Eq. 2

(Bricaud et al., 1981; Green & Blough, 1994).

aðkÞ ¼ aðk0Þ � að750Þ � k=750 ð2Þ

where a(k) = absorption coefficient at wave-

length (k) corrected for scattering, and

a(750) = measured absorption coefficient at

750 nm corrected for scattering. Because of the

chemical complexity of CDOM, concentration is

expressed using the absorption coefficient at

some reference wavelength, typically 355 nm,

375 nm or 440 nm (Kirk, 1994; Del Castillo &

Coble, 2000; Stedmon et al., 2000). Here,

absorption at 355 nm was used to analyze the

relationship of CDOM and fluorescence. Molec-

ular size of humic molecules was estimated from

the ratio of absorption coefficients at 250 and

365 nm [a(250)/a(365)] (De Haan, 1993; Peu-

ravuori & Pihlaja, 1997). The apparent DOC-

specific absorption coefficient a*(k) was calcu-

lated by the relationship below (Seritti et al.,

1998):

a � ðkÞ ¼ aðkÞ=DOC ð3Þ

where DOC is expressed in mg l–1. DOC in the

filtrates was measured on a 1020 TOC analyzer.

Exponential slope coefficient calculation

Exponential slope coefficient was calculated from

the absorption spectrum between 280 and 500 nm

(S1), 280 and 360 nm (S2), and 360 and 440 nm

(S3) using the non-linear regression of Equation

(4) (Bricaud et al., 1981). The coefficient of

determination (r2) for the fit of S was consistently

higher than 0.99.

a kð Þ ¼ a k0ð Þ exp S k0 � kð Þ½ � ð4Þ

where a(k), a(k0) are the absorption coefficients

at wavelengths k and k0, respectively, and S is the

exponential slope coefficient.

Fluorescence measurements

Fluorescence was measured using a 1-cm quartz

cell in a Shimadzu 5301 spectrofluorometer with

an excitation wavelength of 355 nm and an

emission wavelength of 450 nm. A Milli-Q water

blank was used for comparison (Seritti et al.,

1998; Rochelle-Newall & Fisher, 2002b).

Data analysis

Statistical analyses were performed with SPSS

11.0 software (Statistical Program for Social

Sciences).
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Results and discussion

Spectral character and spatial distribution

of CDOM

Figure 2a, b shows representative absorption

spectra of samples from northern Meiliang Bay

(3), the Bay inlet (24), and the central lake basin

(31, 40), which represent a range of CDOM

concentrations. Spectral curves for CDOM gen-

erally showed near zero absorption at the red end

of the visible spectrum (700 nm) and exponen-

tially increase through the ultraviolet (UV)

wavelength regimes (280–400 nm). Mean cor-

rected CDOM absorption coefficients at 280 nm

[a(280)] and 355 nm [a(355)] were 18.3 ± 5.6 and

4.6 ± 1.8 m–1, respectively, for the 40 sites.

CDOM absorption coefficients at 280, 355 and

440 nm for each site are shown in Fig. 3. The

highest value of a(355) was 8.6 m–1 at site 15 close

to shore in Meiliang Bay, and the lowest value

was 2.2 m–1 at site 40 near the center of the lake

(Figs. 1, 3). In general, a(355) decreased away

from the river inflow to Meiliang Bay towards the

lake center (Figs. 1–3). CDOM absorption in

the Meiliang Bay inlet were around twice those

in the central basin. All sites were divided into

two groups, one representing Meiliang Bay (sites

1–24) and one representing the central basin (sites

25–40). Significant differences were found

between Meiliang Bay and the central basin

arising from spatial differences in absorption

coefficients, DOC-specific absorption coefficients,

exponential slope coefficients, DOC concentra-

tions and fluorescence values using ANOVA

(P £ 0.005). Values of a(280) and a(355) in Lake

Taihu are higher than those in estuarine and

coastal waters (Seritti et al., 1998; Chen et al.,

2004), but CDOM absorption values are close to

those in large, shallow, fluvial Lake Saint-Pierre

(Frenette et al., 2003) and others (Kirk, 1994;

Morris et al., 1995). The ratio of a(250) to a(365)

ranged from 5.28 to 9.24 with a mean value of

7.10 ± 0.94 (standard deviation), which was close

to results from other studies (De Haan, 1993;

Huovinen et al., 2003). Higher ratios correspond-

ing to smaller molecules were found in the lake

center in agreement with findings from Huovinen

et al. (2003) and Yacobi et al. (2003).

Relationship between CDOM absorption

and DOC

DOC concentrations ranged from a maximum of

10.9 mg l–1 at the Liangxihe mouth (site 1) to a

minimum of 6.0 mg l–1 in the central basin (Site

37), with a mean value of 8.17 ± 1.38 mg l–1.

A significant positive correlation was found

between DOC and CDOM absorption coeffi-

cients in the ultraviolet and blue band (280–

500 nm), especially at shorter wavelengths

(Fig. 4a), in agreement with other studies where

DOC was dominated by CDOM (Seritti et al.,

1998; Stedmon et al., 2000; Laurion et al., 2000).

Figure 4b shows that the coefficients of determi-

nation (r2) between CDOM absorption and DOC

decrease with increasing wavelength from 280 nm

to 500 nm. Similar results were found in shallow

lakes in the middle and lower reaches of the

Changjiang (Yangtze) River (Zhang et al., 2005).

Fig. 2 CDOM absorption spectra of representative sites: (a) Wavelength versus a(k) and (b) wavelength versus ln[a(k)]
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Relationships between DOC and CDOM absorp-

tion from this study and other studies are

presented in Table 1. Published relationships of

DOC and a(355) are valuable tools to model

DOC concentration (Seritti et al., 1998; Rochelle-

Newall & Fisher, 2002b). However, differences

between models suggest regional and lake-to-lake

variations in bio-optical characteristics.

Calculated DOC-specific absorption provides

an additional means for distinguishing bio-optical

Fig. 3 Absorption
coefficients a(280),
a(355), a(440), DOC-
specific absorption
coefficients, a*(280),
a*(355), a*(440), spectral
slope S1 (280–500 nm),
S2 (280–360 nm), S3
(360–440 nm), DOC,
fluorescence and ratio
of a(250) to a(365)
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characteristics of CDOM. Low CDOM absorption

was associated with low values of a*(k). Values of

a*(355) ranged from 0.34 to 0.92 with an average

0.54 ± 0.14 [l (mg org C)–1 m–1], which are higher

than those observed in estuarine and coastal

waters (Seritti et al., 1998). Lowest values of

a*(320) and a*(355) corresponded with low DOC

concentrations and approached those measured in

coastal water and mountain lakes (Seritti et al.,

1998; Laurion et al., 2000). DOC-specific absorp-

tion coefficient represents CDOM composition,

which is used to establish relationships with other

parameters. Specific absorption was correlated

with pH and DOC concentration in three acid

lakes (Gallie, 1997). In our study, specific absorp-

tion was correlated positively with DOC concen-

tration. The linear regression equation is

a*(355) = 0.075DOC – 0.070 (r2 = 0.53, n = 40,

P £ 0.0001). The linear correlation between

DOC concentration and specific absorption is

known from other studies (Yacobi et al., 2003).

Furthermore, the higher average a*(440) corre-

sponded to the higher proportion of large and

medium fractions in CDOM (Yacobi et al., 2003).

In this study, higher a*(355) and a*(440) values

corresponded to lower a(250)/a(365) values

towards increasing molecular size. The regression

equation between a*(355) and a(250)/a(365)

values is: a*(355) = –0.145a(250)/a(365) + 1.570

(r2 = 0.92, n = 40, P £ 0.0001).

Estimation of the spectral slope S

It is widely accepted that spectral slope S can be

used as a proxy for CDOM composition

(Kowalczuk et al., 2003). The values of the

Fig. 4 Plots of CDOM absorption and DOC concentration (a) CDOM absorption a(355) versus DOC concentration and
(b) wavelength versus determination coefficients r2 value between a(k) and DOC concentration from 280 nm to 500 nm

Table 1 Linear models for the relationship between DOC concentrations and CDOM absorption coefficients

Equations r2 n P DOC (mg l–1) References

DOC, a(k) a(355) = 1.465DOC – 1.315 0.98 31 £0.0001 0.89–4.82 Seritti et al. (1998)
a(440) = 0.280DOC 0.91 6 £0.0007 4.9–40.7 Yacobi et al. (2003)
a(440) = 0.235DOC 0.92 6 £0.0005 7.1–40.5 Yacobi et al. (2003)
a(440) = 0.429DOC – 0.744 0.73 64 £0.0001 0.24–23.5 Morris et al. (1995)a

a(300) = 3.584DOC – 2.690 0.71 26 £0.0001 0.77–3.31 Del Castillo et al. (1999)a

a(440) = 0.131DOC + 0.020 0.58 39 £0.0001 0.21–3.5 Laurion et al. (2000)a

a(440) = 0.552DOC – 1.477 0.77 12 £0.0005 4.9–14.9 Huovinen et al. (2003)a

a(355) = 0.015DOC – 5.5 0.90 92 £0.0001 – Ferrari et al. (1996)b

a(355) = 0.00036DOC + 0.028 0.66 43 £0.0001 – Ferrari (2000)b

a(355) = 0.744DOC – 2.176 0.58 22 £0.001 2.7–10.1 Zhang et al. (2005)
a(355) = 1.14DOC – 4.77 0.77 40 £0.0001 6.0–10.9 Present study
a(375) = 0.87DOC – 3.74 0.77 40 £0.0001 6.0–10.9 Present study
a(440) = 0.38DOC – 1.73 0.73 40 £0.0001 6.0–10.9 Present study

a Fitted with the data in papers ; b DOC unit: lM
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exponential slope coefficient (S) ranged from

12.7 lm–1 to 19.0 lm–1 with an average value of

14.74 ± 1.13 lm–1, from 15.9 lm–1 to 22.0 lm–1

with an average value 19.11 ± 1.42 lm–1, and

from 12.2 to 17.4 lm–1 with an average value

13.86 ± 0.91 lm–1 for the wavelength domain

from 280 nm to 500 nm (S1), 280–360 nm (S2)

and 360–440 nm (S3), respectively. The coeffi-

cient of determination (r2) for the fit of S was

higher than 0.99. Although slope values in the

present investigation fell within the range of

previously reported values (Bricaud et al., 1981;

Davies-Colley, 1983; Seritti et al., 1998; Markager

& Vincent, 2000), variability of the spectral slope

in different wavelength ranges is significant,

which illustrates the importance and sensitivity

of the wavelength range chosen to calculate the

slope coefficient (S). S generally increases with

decrease in the wavelength range and may be

influenced by CDOM composition (i.e. humic and

fulvic acids affecting spectral properties). Samples

collected from the Mississippi River plume in the

Gulf of Mexico, where CDOM was comprised

predominantly from fulvic acids, had a steeper

slope (S = 0.0194) than marine samples, where

CDOM was mostly humic acids (S = 0.010)

(Carder et al., 1989). S values in Lake Taihu

were higher than those for oceanic and coastal

waters (Markager & Vincent, 2000).

In our study, there are significant negative

correlations between spectral slope S and a(355)

(Fig. 5a) and a*(355) (Fig. 5b, Table 2). Deter-

mination coefficients between S and a*(k) were

higher than those between S and a(k). It is also

interesting that determination coefficients are the

highest between S2 (280–306 nm) and a(k), a*(k).
Furthermore, significant negative correlations

have been obtained between S values and

a*(440) (Yacobi et al., 2003), a(355) (Rochelle-

Newall et al., 2004) and a(375) (Del Castillo &

Fig. 5 Plots of exponential slope coefficient versus (a) absorption coefficient a(355) and (b) specific absorption coefficient
a*(355)

Table 2 Linear models for the relationship between S1 (280–500 nm), S2 (280–360 nm), S3 (360–440 nm) and absorption
coefficient, DOC-specific absorption coefficient of CDOM (n = 40, P £ 0.0001)

Parameters Equations r2

a(355), S S1 (280–500 nm) a(355) = –1.254(±0.160)S1 + 23.045(±2.357) 0.62
S2 (280–360 nm) a(355) = –1.187(±0.075)S2 + 27.242(±1.444) 0.87
S3 (360–440 nm) a(355) = –1.158(±0.262)S3 + 20.613(±3.646) 0.34

a(375), S S1 (280–500 nm) a(375) = –0.976(±0.119)S1 + 17.772(±1.751) 0.64
S2 (280–360 nm) a(375) = –0.910(±0.057)S2 + 20.779(±1.087) 0.87
S3 (360–440 nm) a(375) = –0.919(±0.197)S3 + 16.133(±2.733) 0.37

a*(355), S S1 (280–500 nm) a*(355) = –0.103(±0.011)S1 + 2.064(±0.168) 0.68
S2 (280–360 nm) a*(355) = –0.098(±0.004)S2 + 2.405(±0.067) 0.95
S3 (360–440 nm) a*(355) = –0.095(±0.020)S3 + 1.858(±0.279) 0.37

a*(375), S S1 (280–500 nm) a*(375) = –0.083(±0.008)S1 + 1.627(±0.124) 0.72
S2 (280–360 nm) a*(375) = –0.077(±0.003)S2 + 1.868(±0.049) 0.96
S3 (360–440 nm) a*(375) = –0.079(±0.015)S3 + 1.495(±0.211) 0.42
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Coble, 2000; Stedmon et al., 2000). Kowalczuk

et al. (2003) presented a trend of increased slope

coefficient with a decrease in absorption level.

Relationship between CDOM absorption

and fluorescence

CDOM absorption may be measured directly

using a spectrophotometer or inferred from

fluorescence, which can be measured more

rapidly and with greater sensitivity than absorp-

tion. In previous studies, a strong relationship

was established between CDOM absorption

and fluorescence intensity (Vodacek et al., 1995;

Seritti et al., 1998; Ferrari & Dowell, 1998; Hoge

et al., 1993; Kowalczuk et al., 2003) despite

numerous sources of CDOM and different chem-

ical characteristics. CDOM fluorescence Fn(355)

and absorption coefficients a(355) were corre-

lated positively in Lake Taihu in this study

(Fig. 6). The correlation may enable the use of

fluorescence as a proxy for CDOM absorption

despite different sources from river inputs and

autochthonous humic substances and locations

within the lake.

Conclusions

(1) Higher CDOM absorption coefficients were

found in the Meiliang Bay inlet of Lake

Taihu in association with increased DOC

concentrations and fluorescence intensity.

There were significant differences between

Meiliang Bay and the central lake basin in

absorption coefficients, DOC-specific absorp-

tion coefficient a*(355), exponential slope

coefficient (S), DOC concentrations and

fluorescence values.

(2) There is a significant linear relationship

between CDOM absorption and DOC con-

centrations, especially at shorter wave-

lengths in Lake Taihu samples.

(3) Exponential slope coefficients fall in the

range reported in the literatures. There is a

significant negative linear relationship between

S values andCDOMabsorption coefficients, as

well as DOC-specific absorption coefficients.

(4) There is a linear relationship (r = 0.66,

P £ 0.0001) between CDOM absorption and

CDOM fluorescence intensity: a(355) =

2.12(±0.33) + 3.72(±0.43)Fn(355).
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2003. Absorption spectroscopy of colored dissolved
organic carbon in Georgia (USA) rivers: the impact of

molecular size distribution. Journal of Limnology 62:
41–46.

Yan, N. D., W. Keller, N. M. Scully, D. R. S. Lean &
P. J. Dillon, 1996. Increased UV-B penetration in a
lake owing to drought-induced acidification. Nature
381: 141–143.

Zhang, Y. L., B. Q. Qin, L. Zhang, G. W. Zhu & W. M.
Chen, 2005. Optical properties and fluorescence of
chromophoric dissolved organic matter (CDOM) of
shallow lakes in the middle and lower reaches of the
Yangtze River. Journal of Freshwater Ecology 20(3):
451–459.

52 Hydrobiologia (2007) 581:43–52

123



EUTROPHICATION IN LAKES

Effects of hydrodynamics on phosphorus concentrations
in water of Lake Taihu, a large, shallow, eutrophic lake
of China
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Abstract To understand the effect of hydrody-

namical process on water phosphorus concentra-

tion, wind, wave, and several water quality indices

were observed in Meiliang Bay, a shallow and

eutrophic bay locates in north of Lake Taihu.

During the 7 day observation period, wind speed

and significant wave height were recorded more

than 3 h per day, and water samples were

collected in five water-depth layers once a day.

Hydrodynamical disturbance had no significant

correlationship with the water quality at the top

layer when the significant wave height was

smaller than 30 cm, but it significantly increased

suspended solids (SS) concentration of the bot-

tom water layer. Concentrations of nutrients

showed no positive correlationship with SS con-

centration in the water body. Intensive sediment

resuspension may not have occurred when the

hydrodynamic stress on sediment was only a little

higher than the critical stress for sediment resus-

pension. A new method for confirming the critical

stress for intensive sediment resuspension and

nutrient release still needs to be developed. The

range of the water quality indices was quite high

during the seven days of observation. High

variation seems to be a common character of

large shallow lakes like Taihu.

Keywords Shallow lake � Hydrodynamics �
Eutrophication � Phosphorus � Algae bloom �
Lake Taihu

Introduction

In shallow lakes, wind-induced waves frequently

disturb the water-sediment interface, and often

cause intensive sediment resuspension. Strong

winds may cause significant increases of sus-

pended solids (SS) concentration in overlying

water (Aalderink et al., 1984; Carper & Bach-

mann, 1984; Luettich et al., 1990; Qin et al., 2000;

Zhu et al., 2004; Zhu et al., 2005b). The intensive

sediment resuspension may increase the internal

release of nutrients from sediment (Søondergåard

et al., 1992), but sometimes it may also help

deposit soluble nutrients into the bottom sedi-

ments by sorption and precipitation (Gunatilaka,

1982). Simulated experiments also indicated that

hydrodynamics may have both positive and neg-

ative effects on sediment nutrient release (Kris-

tensen et al., 1992; Fan et al., 2001). Therefore,

effects of hydrodynamical processes on the
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exchange of nutrients between sediment and

water are quite complicated.

Lake Taihu is the third largest freshwater lake

in China (Qin et al., 2007). Water quality of Lake

Taihu has been deteriorated quickly since the

1960’s due to the drastic effects of anthropogenic

activities (Dokulil et al., 2000). The nutrition

status of Meiliang Bay (a bay in the northern

Lake Taihu) changed from oligo-mesotrophic

stage with low algal biomass before 1981 to a

eutrophic condition with blooms of Microcystis

during 1988–1995, and a hyper-eutrophic condi-

tions with the dominance of Planctonema and

total phosphorus up to 200 mg m–3 during 1996–

1997 (Chen et al., 2003). Sediment investigations

also showed a strong effect of municipal drainage

on the water quality of northern bay of Lake

Taihu (Qu et al., 2001). At present, the dominant

phytoplankton species of Lake Taihu are Micro-

cystis, Anabaena, Melosira, Cyclotella and Cryp-

tomonas. Microcystis spp. occupies 85% of algae

biomass and forms an algal bloom each summer

(Chen et al., 1997). Zooplankton grazing is

inadequate to control the algae bloom of Micro-

cystis (Chen & Nauwerck, 1996; McNaught et al.,

1997). Pen fish culture and reconstruction of

floating, leave-floating, and submerged plants

may benefit water quality improvement (Li &

Yang, 1995; Hu et al., 1998; Pu et al., 1998), but

are difficult to carry out in a large area like

Meiliang Bay.

Wave processes occur frequently in Lake

Taihu due to its shallowness and special shape.

For example, from 1997 to 1999, daily maximum

wind speeds (calculated as hourly average wind

speed) higher than 5 ms–1 occurred 89.5% of the

time, and wind speeds higher than 8 ms–1

occurred 34.2% of the time (Fan et al., 2004). A

simulation study on Lake Taihu sediment showed

that water disturbance caused soluble reactive

phosphorus (SRP) release from sediment which

was 8–10 times higher than release under undis-

turbed conditions (Fan et al., 2001). Wave flume

experiments showed that the critical shear stress

(0.03–0.04 N m–2) that leads to extensive sedi-

ment resuspension in Lake Taihu could be

induced by a 4–6 ms–1 southeast wind event

(Qin et al., 2004). Nutrients released from sedi-

ment resuspension caused by wind-induced wave

may be the main type of internal load of nutrients

in Lake Taihu (Qin et al., 2004), but there is little

knowledge about the amounts of suspended

sediment and released nutrients and also the

form of released nutrients in the lake due to the

great difficulty in making field observations.

The objectives of this paper are to present field

observations on hydrodynamics, wind, water

chemistry and algae biomass in Lake Taihu, and

to discuss the effect of hydrodynamics on nutrient

release from sediments.

Materials and methods

Field observation description

Meiliang Bay locates in the north of Lake Taihu,

with an area of 130 km2. The observation site was

selected in the centre of Meiliang Bay to mini-

mize the effect of lake shore on hydrodynamics.

Near the observation site, is a regular water

quality observation site of Taihu Laboratory for

Lake Ecosystem Research (TLLER), which has

been monitored every month since 1991. The

water depth was 2.4 m at the observation site and

did not change significantly during the observa-

tion period. On 10th July 2003, a steel-tube

platform was set up in the observation site. A

wave-meter with three sensors was fixed on the

observation platform for wave measurement. An

Acoustic Doppler Profile (ADP) was fixed on the

platform for lake current measurement. And a

Davis meteorological station was fixed on the

platform for wind-speed and direction measure-

ment. All of the data were downloaded to

computer regularly. A 20 cm long sediment core

was collected and sliced to sub-sample each 2 cm

depth. Water content (WC, %), bulk density

(g cm–3), porosity (%) and loss on ignition (LOI,

%) of each sub-sample were measured within 3 h.

At the same time, a polymethyl-methacrylate

peeper interstitial water sampler with 36 cm long,

1 cm thickness and 0.45 lmmembrane was laid at

the observation site. After 7 days, the peeper

sampler was pulled out and the interstitial water

was sampled immediately in each centimeter for

Fe2+, PO4
3– and NH4

+ analysis. Redox potential

(Eh) of the interstitial water was immediately
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measured, too. The meteorological station did not

work well the first day, resulting in the loss of

some data, so data of wind-speed and direction

per hour from the TLLER standard weather

station were used for that period.

From 11 July to 17 July, lake water was

sampled at 13:00 each day at the five layers (20,

50, 100, 200, and 230 cm). For each water sample,

about 100 ml was filtered in the field by 0.45 lm
aperture GF/F filter membrane for measuring

dissolved total phosphorus (DTP), soluble reac-

tive phosphorus (SRP), ammonia nitrogen (NH4
+-

N), and dissolved organic carbon (DOC). A

250 ml water sample was fixed by alkaline potas-

sium iodide (KI) and manganese sulfate (MnSO4)

for dissolved oxygen (DO) determination. An-

other 1000 ml unfiltered water sample was pre-

served for total phosphorus (TP), suspended

solids (SS) and chlorophyll a (Chl-a) analysis.

All of the water samples were sent to TLLER for

chemical analysis within 2 h. Organic matter in SS

was evaluated by loss on ignition (LOI) on the

GF/C filter membrane.

Chemical analysis methods

For TP and DTP analysis, water sample was

digested by alkaline potassium persulphate in

high pressure sterilization pot at 120�C. Then

phosphate concentration was determined by

molybdenum–antimony–ascorbic acid colorime-

try with a Shimadzu UV 2401 spectrophotome-

ter. SRP and NH4
+-N were determined by

colorimetry with Skalar flow-injection analyzer

(detection limit for phosphate is 0.001 mg P l–1).

DO was determined by sodium hyposulfite

titration. DOC was analyzed by I/O 1020A

TOC Analyzer. SS was determined by a gravi-

metric method with Whatman GF/C filter mem-

brane filtration and oven-dried the filtrating

residua over 4 h at 105�C. LOI of SS was also

determined by gravimetric method with 550�C
ignite the SS contained GF/C membrane over

5 h. To determine Chl-a concentration, 250 ml

water sample was filtered through 0.45 lm pore

size synthetic fabric membrane. Chl-a concen-

tration was determined by colorimetry after the

residue on the membrane was frozen, grinded

and extracted by ethanol.

Statistic methods

One way ANOVA analyses of water quality

among different wave conditions with Scheffe’s

method and Tukey’s method were carried out by

SPSS 11.0 statistical software. Correlation analy-

sis among observed indices was also done by SPSS

11.0.

Results

Physicochemical characteristics of sediment

and interstitial water

Eh of interstitial water showed a steep decline in

the top 7 cm layer of sediment (Fig. 1), and

remained constant in the layer deeper than 7 cm.

Concentration of Fe2+ showed a continuously

increasing trend with depth (Fig. 1), suggesting

there is a sharp concentration gradient of Fe2+.

This may owe to the release of Fe2+ from

interstitial water to more oxidation overlying

water with increased Eh. Concentration of PO4
3–

also showed an increasing trend from overlying

water to sediment depth. A peak value at 5–7 cm

depth may indicate that internal release of P from

sediment by diffusion occurred mainly in the

surface 7 cm. The alkaline phosphate activity

(APA) and organic phosphorus decomposing

bacteria (OPDB) also showed a peak value at

about 7 cm and declined to background value at

sediment depths over 11 cm in the sediment of

Lake Taihu (Wang, 2004). The sediment proper-

ties and chemical forms of phosphorus changed

drastically in the depth of 5–15 cm in an investi-

gation of vertical distribution of physicochemical

characteristics and phosphorus chemical forms of

sediment in four sub-lake areas of Lake Taihu

(Zhu et al., 2003). Therefore, 7 cm depth of

sediment in Lake Taihu may be the peak value of

activity of anaerobic bacteria for organic matter

and phosphorus regeneration from organic debris.

However, no significant increase of NH4
+ concen-

tration occurred in interstitial water of the top

15 cm except in the surface 1 cm.

Water content, LOI percentage, porocity and

bulk density of sediment also indicated that the

surface 7 cm sediment is quite different from the
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deeper sediment. Qin et al. (2004) investigated

the vertical distribution of physiochemical char-

acteristics of sediment in the whole Lake Taihu

and found that the surface 5–15 cm sediment was

significantly different from the deeper layer. They

concluded that the top 5–15 cm sediment was the

active layer participating in the material cycling

of Lake Taihu. Thereby, hydrodynamic processes

in Lake Taihu may mainly affect the top 5–15 cm

sediment that affects nutrient exchange with lake

water.

Wind and wave conditions during field

observation

During the observation, wind speed varied from

0 ms–1 to 7.0 ms–1. Significant wave height varied

from 5.85 cm to 28.25 cm. No strong wind-wave

process occurred during the observation. The

mean wind speed and direction between 12:30–

13:30, mean significant wave height per hour of

10:00–11:00, 11:00–12:00, 12:00–13:00 per day, and

the weighted mean value of the 3 h are presented

in Table 1. Generally, the hydrodynamical dis-

turbance intensity was divided into three kinds of

situation according to significant wave height:

Over 25 cm at 13th July, 12–20 cm on 16th July,

12th July, and 15th July, and lower than 12 cm on

17th July, 14th July, and 11th July.

The intensity of wind-induced waves was

affected significantly by wind direction, though

the observation site was located in the central of

Meiliang Bay. The wave heights were significantly

lower on 12th July, 15th July and 16th July than

on other dates because of northeast and southeast

winds (Fig. 2). A small hill near the east shore of

Meiliang Bay and a relatively short wind-fetch-

length explain this observation.

Suspended solids concentration and its LOI

percentage

No significant differences of SS concentrations

were observed among the 7 days when the SS

concentrations of the top four layers were used to

denote the condition of water body. However, SS

concentrations in the bottom layer were quite

different among the different wave conditions.

The SS concentration of the bottom layer water

was the highest value (154 mg l–1) in 13th July. It

is consistent with the strongest wind-induced

wave during sampling than the other days

(Fig. 2). This result shows that hydrodynamic

disturbances did not have significant effects on

the top water in Lake Taihu because the signif-

icant wave height was lower than 20 cm. This

wave intensity may be too common and frequent

in Lake Taihu to cause distinguished differences

among different wind-induced wave processes.

Concentration of LOI in SS showed a similar

trend to that of SS concentration. Generally,

there were no significant differences of LOI

Fig. 1 Vertical distribution of Eh, Fe2+ concentration, PO4
3– concentration, NH4

+ concentration in interstitial water and
physicochemical characteristics of sediment of observed site
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concentration in the top four layers among the

first 6 days. However, LOI concentration in the

top four layers was significantly higher during the

last days. This result could be caused by the algae

bloom that occurred during the last day. The

concentration of Chl-a also confirmed this pre-

sumption.

Nutrients, DO, and Chl-a concentrations

Vertical distributions of TP, DTP and SRP

concentrations are presented in Fig. 3. For TP,

there was no difference among different days

except for 11 July, which was quite low compared

to the next 6 days. For DTP, there was no

difference among the 7 days. SRP was remark-

ably high on 15th July. And for NH4
+, the last

3 days were significantly higher than the first

3 days. For Chl-a and DO, the last day is

markedly higher than the previous days.

Correlation analysis indicated that there was

not any significantly correlation between hydro-

dynamical disturbance intensive and water quality

indices in the top four layers of water. DTP

concentration correlated with SRP concentration

in the top four layers (r = 0.83, n = 7), and in the

bottom layer (r = 0.79, n = 7). LOI concentration

correlated with Chl-a concentration and DO

concentration in the top four layers, which means

the water DO and organic suspended solids are

determined by algae biomass.

SS and LOI concentrations in bottom layer

were significantly affected by the intensive

hydrodynamical disturbance (r = 0.83, n = 7).

However, there was no significant relationship

between SS and the intensive hydrodynamic

disturbance in the top four layers. It suggested

that wind-induced wave may have caused surface

sediment resuspension, but the effect was limited

in the bottom layer.

Discussion

Effects of wind-induced wave disturbance on

phosphorus release from sediment in shallow

lake

Do wind-induced waves cause phosphorus release

from sediment to overlying water in shallow

lakes? Our observations in Meiliang Bay suggest

that they do not. However, we can not conclude

that sediment resuspension will not affect nutrient

concentrations in overlying water. In fact, field

Table 1 Wind speed and Hs during the field observation

Date Wind speed/direction/(ms–1) Hs /(cm)

10:00–11:00 11:00–12:00 12:00–13:00 10:00–11:00 11:00–12:00 12:00–13:00 Weighted
mean valuea

11-July 4.1/307 2.1/55 1.2/7 15.14 10.63 6.95 9.54
12-July 3.4/132 2.7/134 2.0/129 19.33 18.52 12.91 15.85
13-July 2.3/235 1.2/239 6.1/278 20.35 26.46 27.05 25.74
14-July 3.3/119 2.1/106 1.8/114 13.82 10.82 8.83 10.32
15-July 3.5/302 4.0/34 4.6/14 12.18 12.57 11.90 12.17
16-July 4.8/71 6.2/60 6.3/70 15.98 17.10 20.28 18.50
17-July 2.3/246 1.9/233 1.1/246 13.48 10.58 8.88 10.21

a Weighted mean value of Hs was calculated as following: Hs (mean value) = (Hs (10:00–11:00) + 2 · Hs (11:00–
12:00) + 3 · Hs (12:00–13:00))/6

Fig. 2 Wind speed and significant wave height three hours
before each days water sampling
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observations have indicated that strong wind

could increase TP, DTP and SRP concentrations

in lake water as the wind speed was over 12 ms–1

in Lake Taihu (Zhu et al., 2004, 2005b). However,

no significant release of phosphorus from sedi-

ment was found in this field observation, perhaps

due to the relative low wind speed. In the wave

flume experiments, Qin et al. (2004) found that

the critical shear stress that leads to extensive

sediment resuspension in Lake Taihu was about

0.03–0.04 N m–2, equivalent to a wind speed in

situ up to 4 ms–1. The stress of wind-induced wave

calculated minute by minute using observed data

varied between 0.01 N m–2 and 0.11 N m–2, and

its peak value occurred between 18:00–18:30, 16th

July. But intensive sediment resuspension still

was not observed. This result suggests that the

critical shear stress of 0.03–0.04 N m–2 isn’t the

correct stress for extensive sediment resuspen-

sion, but is simply the stress needed for surface

sediment particles to begin to move up. Accord-

ing to hydraulic judging criteria, critical stress for

sediment resuspension means the surface sedi-

ment particles begin to gradually float upward. In

another wave flume experiments, Zhu et al.

(2005a) found that SS concentration increased

from 2.5 mg l–1 without any waves to 13.6 mg l–1

when wave height just exceeded the critical wave

height (5.93 cm). But SS concentration increased

to 224 mg l–1 as wave height increased to

13.29 cm. This means that sediment won’t sus-

pend extensively as the wave height become a

little higher than the critical wave height. The

wave height that will cause intensive sediment

resuspension by field observation and simulated

flume experiment is still not known.

In other field observations of hydrodynamical

processes in Meiliang Bay, SS concentration in

overlying water increased significantly when the

wind-speed over 6.5 ms–1 in Meiliang Bay (Qin

et al., 2000). SS concentration was about

120 mg l–1 with wind-speed over 6.5 ms–1. The

SS concentration was over 400 mg l–1 in top layer

water with wind speed over 12 ms–1 (Zhu et al.,

Fig. 3 Vertical distribution of TP, DTP and SRP concentrations in overlying water
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2004, 2005b). At the same time, TP, DTP, SRP

concentration in the top layer water increased

significantly, too. These results indicate that the

wind-speed needs to be between 7 and 12 ms–1 for

intensive sediment resuspension. However, wind

speed seldom exceeded 6.5 ms–1 in this field

observations. Thus, SS and nutrients concentra-

tion in overlying water had not significantly

varied with the intensity of hydrodynamical dis-

turbance perhaps due to lower wave height than

the critical wave height for intensive sediment

resuspension.

Sediment resuspension does not always

increase phosphorus concentration in overlying

water in shallow lakes. Correlative analysis

indicates that concentrations of DTP correlate

inversely with SS concentration (r = 0.83,

p < 0.05). The reason is that surface sediments

are often oxidized in large shallow lakes. The

surface floc is in constant equilibrium with the

water column. When the surface floc suspended

to overlying water, it absorbs dissolved phospho-

rus from water phase. This phenomenon was also

found in shallow Lake Yangebup (Linge &

Oldham, 2004).

Although a positive correlationship between

water SS concentration and intensity of hydrody-

namic disturbance was not observed in this field

observation, it should be noted that a relative

strong wave occurred in the third day, with

subsequent nutrient concentration increases in

the fifth day followed by an algae bloom on the

seventh day. However, cause and effect relation-

ships among the three phenomenons are still

unclear.

Variation of water quality indices in large

shallow lake

Water quality indices of shallow lake are highly

variable because of the spatial and vertical

inhomogeneity of water quality, as well as the

violent influence of hydrodynamical disturbance.

Most of the observed water quality indices varied

drastically in the 7 days of observation (Fig. 4).

For example, DTP concentration in the surface

20 cm layer water varied between 0.34 mg l–1 and

0.77 mg l–1, SRP varied between 0.002 mg l–1 and

0.033 mg l–1, NH4
+–N varied between 0.056 mg l–1

and 0.832 mg l–1, and Chl-a varied between

33 mg l–1 and 117 mg l–1 during the seven obser-

vation days.

Compared to the monthly monitored data from

2000 to 2003, considerable variation of the water

quality indices occurred among the observed

7 days (Fig. 4). This observation suggests that

monthly monitored data may be inadequate to

reflect the water quality variation in large shallow

lakes like Lake Taihu. For example, the cycle

time of phytoplankton colony is generally a week.

Thus, Chl-a concentration must be quite different

between water sampling events depending on the

Fig. 4 Variation of the observed surface 20 cm water quality indices during the 7 days and that of the monthly monitored
data at No. 3 regular monitoring site of TLLER
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presence or absence of an algae bloom. Addi-

tionally, wind speed and direction during water

sampling can affect water quality indices, such as

Chl-a concentration, phytoplankton structure

(Chen et al., 2003). Therefore, one must be

careful in using monthly monitored data to

explain water quality change in large shallow

lakes.
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Total inputs of phosphorus and nitrogen by wet deposition
into Lake Taihu, China
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Abstract Lake Taihu suffers from eutrophica-

tion caused by riverine nutrient inputs and air

deposition. To characterize wet deposition of

phosphorus (P) and nitrogen (N) to the lake,

precipitation collection and measurements of

total phosphorus (TP) and total nitrogen (TN)

and other components at five cities around Lake

Taihu were made from July 2002 to June 2003. TP

and TN concentrations and deposition rates

exhibited strong spatial variation in the whole

catchment. An inverse correlation between sta-

tion-averaged TP and TN concentrations and

precipitation amount was found. Maximal TP

concentration in rainfall was found in Suzhou,

and maximal TN in Wuxi. However, highest wet

deposition rates of TP and TN were found in

Suzhou, which suggests that atmospheric nutri-

ents are mostly from the east and northwest area

of Lake Taihu. Mean TP and TN deposition rates

were 0.03 and 2.0 t km–2 year–1 respectively in

Lake Taihu, which are greater than reported

values in other areas by comparision. Total N and

P contributed to the lake by wet deposition were

75 and 4720 t per year, respectively, which rep-

resent about 7.3% and 16.5% of total annual N

and P inputs via inflow rivers. Wet deposition,

especially N, could have significant effects on

eutrophication in the lake, which shows that air

deposition should be taken into account while

reducing the external nutrients in the lake.

Keywords Nitrogen � Phosphorus � Wet

deposition � Eutrophication � Riverine inputs �
Lake Taihu

Introduction

Wet deposition may impact freshwater ecosys-

tems, terrestrial environments (Buijsman & Eris-

man, 1988; Likens, 1989; Khemani et al., 1989;

Lovett & Kinsman, 1990; Owens et al., 1992;

Spokes et al., 1993; Helmers & Schrems, 1995;

Raper & Lee, 1996) and coastal seas (De Leeuw

et al., 2003). Input of nutrients by rainfall (e.g. P

and N) and acidic rain characterized by low pH

(<5.6) can affect the chemistry of lakes, soils,

forests and wetlands (Gorham, 1998) and make

ecosystems nutrient-limited or susceptible to acid

deposition. For instance, it was noted (Gordon &

Gorham, 1963) that acid deposition close to the

iron-sintering plant at Lakes Wawa and Ontario

was causing substantial leaching of calcium from

local soils into adjacent ponds and lakes. It then
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was observed that acid deposition led to dissolu-

tion of aluminum in soil minerals and strong

enrichment of aluminum ions in lake water

(Wright et al., 1976). Many other researchers

have addressed acidic rain in different areas

(Cowling & Nilsson, 1995; Lin et al., 1998; Oko-

chi et al., 2000; Peart, 2000; Vasjari et al., 2000).

Polluted rain also may deposit nutrients and

trace elements, resulting in eutrophication and

iron-concentration changes. Input of nutrients by

wet deposition can contribute to total nutrients in

water, especially in seepage lakes, regulate

primary productivity and affect algal community

structure (Pollman et al., 2002). Atmospheric N

can be available for algae growth, which makes

this contribution more significant because only a

fraction of river runoff contributes N that is

incorporated into biological material (De Leeuw

et al., 2003). Heavy metals from rainfall (e.g. Zn,

Cu, Fe, Ca and Mg) can affect surface water

production (Morel et al., 1991) and influence

biological activity in marine waters (Coale &

Bruland, 1990; Sunda & Huntsman, 1992).

Lake Taihu is located in the lower Changjiang

(Yangtze) River delta and is important for water

quantity regulation, water supply, cultivation,

irrigation, navigation, culture fisheries and tour-

ism. In the 1950s, lake water was oligotrophic

(Chang, 1995). With rapid industrial and agricul-

tural development and population growth, increas-

ing amounts of nutrients, heavy metals (Shen

et al., 2001) and other pollutants (Feng et al.,

2003) have been delivered to the lake via river

runoff (Zhou & Zhu, 2003; Chen et al., 2003; Qu

et al., 2001) or bulk deposition (Qu et al., 2002; Pu

et al., 1998). Pollutants can be absorbed onto or

associated with fine-grained sediment particles,

resulting in limnic ecosystem recovery prevention

and long-term eutrophication problems by sedi-

ment-water exchange. The lake is hypertrophic in

three northern bays, with seasonal algae blooms

increasing the cost of water purification. Conse-

quently, reasons for deterioration and improve-

ment of lake water-quality have received much

attention in recent years (Wang et al., 1998; Qin,

1998; Yang et al., 2001; Chen, 2002; Yang et al.,

2003; Qin et al., 2004). The largest project, ‘‘Zero-

point Action’’, initiated by the State Environmen-

tal Protection Administration (SEPA) in 1998,

required ‘‘Standard Discharge’’ of all industrial

units. However, water quality has not improved

remarkably despite reduction of external loading

from rivers, which raises the possibility that net air-

deposition and sediment resuspension may have

considerable impacts.

Many reports have focused on effects of

sediment and river inputs (Zheng et al., 2001)

on water quality degradation in Lake Taihu,

including acid rain impacts (Chen et al., 2000,

2001; Yang et al., 2001; Yang, 2001). Little is

known about amounts of N & P contributed by

wet deposition. The aim of this study is to

estimate wet-deposition of P and N into the lake

based on data from samples collected from July

2002 to June 2003.

Methodology

Site description

Fifteen sampling sites, located in five cities (Wuxi,

Suzhou, Huzhou, Jintan and Changzhou; Fig. 1)

around Lake Taihu, were selected for rain

collection. Four were at Changzhou situated

northwest of the lake, four in Suzhou in the east,

three in Huzhou in the south, two in Wuxi in

the north and two in Jintan in the northwest

(Table 1). Several sites in each city were sampled

Fig. 1 Map of the study area
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to evaluate different land-use types (e.g. rural,

urban, industrial, forest, etc.).

Sample collection and analysis

Precipitation samples were collected automati-

cally by a tipping-bucket rain gauge at all sites

from July 2002–June 2003. Analytical parameters

included pH, conductivity, K+, Na+, Ca2+, Mg2+,

Cl–, SO4
2–, NO3

–, NH4
+, TP and TN (no TP & TN in

Huzhou due to technical limits). All chemical

components were analyzed monthly in the local

Environmental Monitoring Center (EMC). pH

was measured immediately without stirring by a

digital pH meter, and conductivity was measured

using an ion chromatography detector. All ions

were determined using suppressed ion chroma-

tography (Chen et al., 2001). All data from

different EMCs were assumed to have similar

accuracy since ion concentration measurements

were done using standard SEPA methods.

Calculation of annual amount of deposited

nutrients

Annual amounts (in: t year–1) of TP and TN can

be calculated from the following equation,

AA ¼ 1

m

Xm
j¼ 1

Xn
i¼ 1

S � RRij � Cij � 10�3 ð1Þ

where S is the lake surface area (km2), RRij

(i = 1,2,...12; j = 1,2,3,4) is the precipitation rate

(mm month–1) at station j and month i, Cij is the

concentration of a substance in precipitation

(mg l–1) with the same subscript as RRij, m is

the number of stations (4 in this case due to lack

of data in Huzhou). The wet deposition rate (in:

t km–2 year–1) of chemical components can be

derived from Eq. 1 without consideration of S.

Results

Seasonality

Monthly precipitation (RR) and TN and TP

concentrations are shown in Fig. 2. RR ranged

from 24–130 mm per month. Minimum RR was in

January, with a value of 24.3 mm, and November,

with a value of 50.7 mm. There was more rainfall

in summer (128 mm in August and 117 mm in

July). RR exhibited a summer (June–August)

maximum and a fall (September–November)

minimum, demonstrating strong seasonality.

Table 1 Sample stations
and their locations in
Taihu Basin

Station Longitude (�E) Latitude (�N) Site number Location

Wuxi 120.25 31.58 2 North
Suzhou 120.61 31.30 4 East
Changzhou 119.97 31.77 4 Northwest
Jintan 119.58 31.73 2 Northwest
Huzhou 120.10 30.89 3 South
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TP concentration varied from 0.01 to

0.11 mg l–1 with the peak value in January, which

is, in magnitude, similar with those reported by

Brown et al. (1984, 0.015–0.15 mg l–1) and Migon

and Sandroni (1999, 0.002–0.14 mg l–1,), but sig-

nificantly greater than those reported by Chen

et al. (1985) and Filoso et al. (1999). Although no

significant seasonal variation in TN was found

(Fig. 2), there was a seasonality of TP and TN

despite slight differences among the 12 months.

TN and TP followed an inverse pattern to RR.

TN contributed by rain followed a similar

seasonal pattern to RR and peaked in summer

and fall, with minima in winter and spring.

However, TP had a maximum in fall and winter

and minimum in spring and summer (Fig. 3).

These seasonal differences varied from those of

TP and TN concentrations throughout the year

due to differences in precipitation amounts.

Total annual TP and TN deposition rates

Deposition rates of NO3
–, NH4

+, TP and TN were

estimated from Eq. (1) with lake surface area

excluded. In each city, monthly precipitation

amounts were used to calculate average precipi-

tation rates. Table 2 shows month-averaged wet

deposition rates of the five cities. There was no

data on TN and TP in Huzhou, but concentrations

of NO3
– and NH4

+ suggest a moderate contribu-

tion. Spatial differences suggest that the east

region of Lake Taihu (Suzhou), and then the

northwest (Changzhou and Jintan) have the

largest N and P contribution from rainfall. Wuxi

and Huzhou have moderate influences. Wet

deposition of TP within the lake catchment was

0.03 t km–2 year–1, TN was 2.0 t km–2 year–1,

NO3
– was 3.70 t km–2 year–1, and NH4

+ was

1.56 t km–2 year–1. Based on individual deposi-

tion rates, total annual contribution from precip-

itation was 75 and 4720 t per year for TP and TN,

respectively.

Discussion

The simple model based on Eq.1 may overesti-

mate total input of N & P into Lake Taihu

because precipitation chemistry over the lake

may differ from cities. Raindrops are formed

when small water droplets adhere to particles,

including chemical components in air, and, con-

sequently, depend on local air movement and

concentrations of vapor and particles in the

atmosphere. Due to low nutrient concentrations

in air over the lake, especially the center, precip-

itation inputs of P and N in these regions may be

lower than those in the shore areas. However, this

uncertainty for regional differences is difficult to

quantify unless many observation sites are estab-

lished over the water surface of Lake Taihu.

Despite the spatial variability of nutrient con-

centrations in precipitation, results obtained from

observation data and calculations should indicate

Table 2 Wet-deposition
rates (t km–2 year–1) and
concentrations (mg l–1) of
TP and TN at different
stations

City Wet deposition rate (t km–2 year–1) Averaged concentration (mg l–1)

TP TN NO3
– NH4

+ TP TN

Wuxi 0.016 2.25 2.76 1.44 0.022 3.28
Suzhou 0.06 2.81 4.36 2.26 0.075 2.58
Changzhou 0.018 1.81 0.82 1.52 0.023 2.22
Jintan 0.033 1.20 6.70 0.95 0.057 1.33
Huzhou 3.87 1.65
Average 0.03 2.0 3.70 1.56 0.044 2.35
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effects of wet deposition on lake eutrophication.

In Lake Taihu, the primary source of N and P is

from Suzhou, where the highest TP concentration

and deposition rates were found. Changzhou and

Jintan had the second greatest contribution of TN

and TP. Thus, the main N and P inputs via rainfall

are from the east and northwest. The smallest TP

deposition rate and the greatest TN concentration

were found in Wuxi. Therefore, Wuxi, with a

greater annual precipitation, may make the great-

est contribution to total N input into the lake.

Deposition rates of NO3
– and NH4

+ are high

relative to TN inputs, with values of 3.70 and

1.56 t km–2 year–1, respectively, which are 2 and 5

times higher than those for Barnegat Bay (1.81 and

0.34 t km–2 year–1 for NO3
– and NH4

+; Gao, 2002).

Estimated TP deposition rate (0.03 t km–2 year–1)

near Lake Taihu also is high compared to that in

the Amazon (0.004 t km–2 year–1; Swap et al.,

1992), Connecticut (0.004 t km–2 year–1; Yang

et al., 1996), New Zealand (0.01 t km–2 year–1;

Chen et al., 1985), Corsica (0.01–0.02 t km–2 year–1;

Bergametti et al., 1992), Apalachicola, FL

(0.012 t km–2 year–1; Fu & Winchester, 1994) and

Ireland (0.021 t km–2 year–1; Gibson et al., 1995).

Also, TN deposition rate is about 10 times that in

Colorado and southern Wyoming (<0.2 t km–2

year–1; Burn, 2003). High N and P deposition rates

result from livestock and fertilization of croplands

(Vitousek et al., 1997), crop senescence, fossil fuel

combustion, automobile emissions and factories.

In Taihu Basin, agriculture and coal combustion

are the main contributors to high rates of N and P

deposition.

Wet deposition is greater than dry deposition,

especially in ocean areas (Owens et al., 1992;

Hertel et al., 2002), the Mississippi River Basin

(Lawrence et al., 2000), and Barnegat Bay (Gao,

2002). With this hypothesis, annual net atmo-

spheric inputs of TP and TN into Lake Taihu

should be slightly higher than estimated values.

However, deposition effects on lake eutrophica-

tion are significant even excluding dry deposition.

Based on nutrient concentrations observed at

inflow rivers connected to Lake Taihu, annual

riverine input of TP was estimated to be 1,030 t

and TN about 28,650 t (Xu & Qin, 2005). There-

fore, atmospheric inputs of TP and TN represent

about 7.3% and 16.5% of annual total inputs of P

and N via inflow rivers, which suggests that air

deposition should be considered in the evaluation

nutrient inputs to Lake Taihu. Nitrogen from air

deposition may promote primary productivity.

For example, 5.3 mmol C m–2 day–1 could result

from average deposition of 0.8 mmol N m–2 day–1

(De Leeuw et al., 2003). Also, atmospheric depo-

sition can affect nitrogen-saturated forests and

acidic freshwater lakes and streams (Stoddard,

1994; Aber et al., 1995; Fenn et al., 1998). How-

ever, Lake Taihu generally is P-limited and

inherently vulnerable to N deposition (Yin et al.,

1996). As a result, deposited P could promote

primary productivity. Moreover, some deposited

N and P may be absorbed onto or associated with

sediment particles, which could make bottom

sediment a source of nutrients. In shallow lakes,

perturbation has substantial effects on sediment-

water interactions (Sheng & Lick, 1979; Furumai

et al., 1989; Shrestha, 1996; James et al., 1997;

Bailey and Hamilton, 1997; Blom & Winkels,

1998; Poelma & Ooms, 2002), and therefore,

waves may resuspend sediment and release nutri-

ents resulting in increased N & P. For example,

1.64 · 104 t P can be suspended from sediment

into water of Lake Taihu with a 15.0 m s–1 SE

wind event, resulting in an average TP increase of

4.70 mg l–1 (Luo, 2004). Some suspended P may

be available for aquatic plants, and some may be

redeposited.

Atmospheric N originates mainly from ammo-

nium nitrate aerosol (NH4NO3), ammonia gas

(NH3) and nitric acid gas (HNO3) (Lindberg

et al., 1990). NOx exists primarily as NH4NO3 and

HNO3, and can be transformed to HNO3 after

photochemical processes. HNO3 and NH3 (pri-

mary pollutant) can form an equilibrium with

NH4NO3 (Tarnay et al., 2001). These compounds

are mainly derived from fossil fuel combustion

and agricultural production (e.g. fertilizer and

animal waste). The origin of atmospheric depo-

sition can reflect nutrient-source patterns of

riverine inputs. Consequently, external N loading

control in Lake Taihu Basin should include

production of agricultural and fuel-combustion

emissions. The ‘‘Zero-point Action’’ initiated by

SEPA in 1998 has resulted in significant reduction

of TP and TN inputs in Lake Taihu, but agricul-

tural inputs of TP and TN still constitute a large
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proportion. Thus, control of only industrial dis-

charge is not an effective method to control

eutrophication. Municipal policy should include

control of agricultural emission and coal combus-

tion inputs in Lake Taihu Basin.

Conclusion

A study of wet deposition in Lake Taihu Basin

examined the effects of N and P contributed by

rainfall on lake eutrophication. Fifteen sites were

selected in five cities around the lake. Results

lead to the following conclusions:

(1) Deposition rates and concentrations of TP

and TN in precipitation over Lake Taihu

exhibited strong spatial variation. N and P in

precipitation come mainly from the east

(Suzhou) and northwest (Changzhou and

Jintan). Wuxi and Huzhou make only mod-

erate contributions to atmospheric inputs

into Lake Taihu.

(2) Precipitation had a summer maximum and a

fall minimum and followed an inverse sea-

sonal cycle compared to TP and TN con-

centrations.

(3) Deposition rates of NO3
– and NH4

+ were 3.70

and 1.56 t km–2 year–1, respectively. TP and

TN deposition rates were 0.03 and 2.0 t km–2

year–1, respectively.

(4) Total amounts of N and P contributed to the

lake by wet deposition were 75 and 4720 t

per year, respectively, which may contribute

to lake eutrophication.
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EUTROPHICATION IN LAKES

The effects of different electron donors on anaerobic
nitrogen transformations and denitrification processes in
Lake Taihu sediments
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Abstract Nitrogen transformations in anaerobic

sediments and leachate in Lake Taihu were

simulated in the laboratory. Ammonium, nitrate

and nitrite were analyzed after incubation under

anaerobic conditions. Different reductive states

and pH values were obtained by using different

electron donors, such as glucose, sucrose, potato

starch and sodium acetate. Chemical nitrogen

transformation mechanisms were discussed rela-

tive to physico-chemical properties of lake sedi-

ment. Results demonstrated that nitrogen

transformations in anaerobic conditions supple-

mented with different electron donors varied, and

supplementation with certain electron donors may

enhance nitrogen removal from anaerobic sedi-

ments. Among the four electron donors studied,

higher nitrogen removal efficiencies were

observed with acetate and starch. Saccharides,

such as glucose, sucrose and starch, stimulate

nitrate reduction to nitrite, while acetate stimu-

lates nitrate reduction to ammonium.

Keywords Electron donor � Anaerobic �
Nitrogen � Transformation � Sediment � Lake
Taihu

Introduction

Denitrification is a microbial process that con-

verts nitrate to nitrogen gas via several interme-

diates, including nitrite and nitrous oxide (Tiedje,

1982). It is recognized as the most important

process removing fixed nitrogen in most natural

environments (Boicourt et al., 1996). Transfor-

mations involve nitrogen reduction and therefore,

require electron donors (Devlin et al., 2000).

Denitrification is a respiratory process which also

requires an electron donor for energy (Islas-

Limaa et al., 2004). Denitrifying bacteria can use

nitrate and/or nitrite as an alternative electron

acceptor for metabolic activities when molecular

oxygen is unavailable (Bae et al., 2004). However,

in natural anaerobic systems including sediments,

denitrification often is limited by readily biode-

gradable electron donors.

Studies have demonstrated enhancement of

nitro-reduction rates following addition of or-

ganic electron donors, such as glucose, pyruvate,

formate, starch, acetate, hydrogen gas, ele-

mental sulphur, thiosulphate, aqueous ferrous

iron and pyrite (Preuss et al., 1993; Boopathy,

1994; Roberts et al., 1995; Devlin et al., 2000).
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Saccharide is an abundant biomolecule in the

natural environment. Glucose is a monosaccha-

ride, and sucrose is a disaccharide, which yields

two monosaccharides upon hydrolysis. Starch

contains two polysaccharides: amylose and amy-

lopectin (Yu et al., 2004). Acetate is an organic

acid and has been used in waste water treatment

for nitrogen removal (Graaf et al., 1996; Cervan-

tes et al., 1999).

Addition of electron donors to enhance reduc-

tion processes is, therefore, a potential method

for in-place treatment of contaminated sediments

(Gerlach et al., 1999). This may be an important

treatment for eutrophic lakes, such as Lake

Taihu, which is the third largest freshwater lake

in China (Qin et al., 2007). Water quality in Lake

Taihu has deteriorated due to rapid economic

development and intensive use of water resources

in recent years. As a result, cyanobacteria blooms

occur over large areas in summer, and these

blooms impact the aquatic ecosystem detrimen-

tally (Pu et al., 1998a, b).

Most studies have focused on nitrate and

ammonium removal in waste water systems

(Cervantes et al., 2001; Schmidt et al., 2003),

and comparative studies on denitrification and

electron donor supplements in fresh water sedi-

ments are scarce.

Objectives of the present study were to com-

pare total nitrogen (TN) reduction effects in Lake

Taihu sediments stimulated by saccharide elec-

tron donors, such as glucose, sucrose, potato

starch and organic acid acetate; and to evaluate

effects of nitrogen species transformation under

different electron donor additions.

Materials and methods

Sediment samples collection

Six surface sediment samples were collected using

a Peterson grab bucket on 13–15 July 2003 from

Lake Taihu. Locations of sampling sites are

shown in Fig. 1. Samples were stored in a cooler

until return to the laboratory, freeze-dried, sieved

to ~0.28 mm aggregate size, mixed together,

homogenized by gentle shaking, and stored at

4�C in a sealed polyethylene bag.

Anaerobic incubation experiment

Microcosms were constructed using 20 g of sed-

iment and 150 ml of artificial freshwater (1 mg l–1

ammonium, 1 mg l–1 nitrate and 0.1 mg l–1 ni-

trite), which was purged with high purity nitrogen

(99.99% N2) for 10 min to remove oxygen before

use in 250-ml serum bottles. Microcosms were

prepared in triplicate, and electron donors glu-

cose, sucrose, potato starch (Sigma Co.) and

sodium acetate added 2 g in stoichiometric

excess. Two electron donor-free control groups,

one sterilized with 0.1 g HgCl2, were established.

Table 1 lists the treatment conditions and micro-

cosm abbreviations. Test bottles were aerated

with high purity nitrogen for 3–5 additional

minutes, sealed with butyl rubber stoppers and

continuously mixed with a planar shaker rotating

at 200 rpm at 25�C.
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Fig. 1 Geographic locations of sampling sites

Table 1 Treatment conditions and abbreviations of
microcosms

Abbreviation Treatment

A Sterilized control
B Electron donor free control
C Microcosm of glucose as electron donor
D Microcosm of sucrose as electron donor
E Microcosm of potato starch as electron

donor
F Microcosm of sodium acetate as electron

donor
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Sampling was done in a glove bag (I2R Glove

BagTM, Model X-27-27, USA) purged with nitro-

gen before use. Bottles were vigorously shaken;

pH and Eh were determined using a portable

meter (Thermo Orion Model 250, USA). Ten

milliliter of sediment/water slurry was poured

into a 10 ml centrifuge tube, and the same

quantity was added (10 ml artificial freshwater

contained 1.33 g sediment). After sampling, sed-

iment samples were centrifuged at 4000 rpm for

20 min and filtered through a 0.45 lm pore-size

cellulose acetate filter to separate sediment and

leachate at once.

Chemical analysis

For leachate samples, ammonium, nitrate and

nitrite were determined within 24 h after sam-

pling. Nitrate was determined by ion chromatog-

raphy (Dionex 4500i using an AS-14 4-mm anion

column), nitrite with N-(1-naphthyl) ethylene

diamine dihydrochloride (APHA, 1998a), and

ammonium with salicylic-hypochlorite colorime-

try (Standard method of People’s Republic of

China, 1987).

Total nitrogen in sediments was analyzed using

persulfate according to standard methods for

examination of water and wastewater (APHA,

1998b). Weights of sediments reported are on an

oven-dry basis.

Results and discussion

Formal potentials and pH conditions in the

microcosms

Formal potential consists of measurement of the

electromotive force of an electrochemical cell in

which, under the specified conditions, the analyt-

ical concentration of the two oxidation states is

varied. The formal potential includes correction

factors for activity coefficients, acid-base phe-

nomena, complex formation, and the liquid junc-

tion potential used between the reference

electrode and the half-cell in question. It may

often leads to better predictions than standard

potential because it represents quantities subject

to direct experimental measurement. In this

paper, it is expressed by pe, which is calculated

from the determined Eh values using Nernst

Equation. The pe can be defined as the negative

logarithm of electron activity in a solution. It is a

parameter for the redox intensity gives the

electron activity at equilibrium and measures

the relative tendency of a solution to accept or

transfer electrons (Stumm & Morgan, 1981).

Values of pH and pe are shown in Fig. 2. In all

microcosms, pH declined with time. Trends are

divided into three groups. Microcosms treated

with glucose and sucrose had similar trends. pH

declined sharply in the first 96 h and dropped to

4.3 by completion. pH in starch additions also

declined, but more slowly than glucose and

sucrose, dropping to 4.8 at the end of the

incubation. pH in the sterilized control, electron

donor-free control and sodium acetate addition

declined in the first 48 h, then remained around

7.4 to 7.5.

Formal potentials in electron donor systems

reached a strong reductive environment after 2 or

3 days. pe dropped in the first 48 h in glucose and

sucrose microcosms and in the first 96 h in starch

and sodium acetate microcosms. Afterwards, the
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reductive environment in these microcosms

reached steady-state and remained constant at –

4 to –6. The sterilized control did not attain

reductive conditions, and the electron donor-free

control barely reached a mild reductive environ-

ment.

Systems supplemented with electron donors

achieved more reduction potential than controls.

It is believed that Eh values is featured by

reduction when they below 200 mV. (Song et al.,

1990) Sediments from Lake Taihu in our exper-

iment were strongly anaerobic except two control

groups, and additional electronic donors could

accelerate reducing conditions in microcosms.

pH and reductive potential are important

factors controlling the fate of pollutants, espe-

cially those at the soil-water interface (Cao et al.,

2001). pH and reductive potential also affect

nitrogen composition (Stumm & Morgan, 1981).

pH in all microcosms treated with electron donors

declined, except the system treated with sodium

acetate, likely due to acetate hydrolysis. In our

experiment, the acetate microcosm may have

maintained pH of 7.2–7.4 via its strong buffering

capacity (Terra & Regel, 1995). However, in

other three electron donor microcosms, pH val-

ues declined and remained below 5. At this pH,

acid producing microorganisms may not survive,

leading to stable pH.

Transformation of nitrogen species

Nitrogen transformations in control and electron

donor microcosms are shown in Figs. 3 and 4.

Results show that, in all microcosms, nitrate in

leachate increased early in the incubation, then

decreased. Nitrate, which is formed during

organic matter degradation under oxic conditions

(ammonification/nitrification), may be trans-

ported (mixing, currents, upwelling etc.) to

anoxic environments where it can undergo deni-

trification (Boyd, 2001). In the present study,

early nitrate increases may be caused by degra-

dation of organic matter using residual oxygen in

the sediment. For in the first 24 h, formal

potential in all microcosms was positive, and

pH was about 7, indicating characteristics of

sediments were weak oxic or weak reduction in

this condition.

Nitrogen transformations in glucose and su-

crose microcosms were similar. Nitrate in glucose

and sucrose systems were lower than controls.

Highest nitrate concentrations in glucose and

sucrose microcosms were 5.2 and 4.7 mg l–1,

respectively, in the first 8 h and then decreased

sharply. Highest nitrite concentrations in leachate

occurred simultaneously with nitrate maxima.

Ammonium decreased to below detection limits

in 48 h, which indicates that monosaccharide and

disaccharide electron donors may stimulate aner-

obic nitrogen transformations.

Nitrate concentration in the starch addition

reached 7.4 mg l–1 in 24 h, and ammonium con-

centration increased to a similar value as the

controls, then decreased to below detection limits

after 96 h.

In anoxic, nitrate-containing environments,

two pathways of dissimilatory nitrate reduction

have been identified: denitrification, by which

nitrogen oxides (mainly NO3
–) are reduced to

nitrite (NO2
–) and then to dinitrogen gases (N2O

and N2), and dissimilatory nitrate reduction to

ammonia (DNRA), producing ammonia by
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reduction of nitrate and/or nitrite (Brunet &

Garcia-Gil, 1996).

Apparently, nitrate reduced in microcosms

supplemented with glucose, sucrose and starch

as electronic donors were denitrified. Ammonium

could not be detected after 48 h in glucose and

sucrose systems and 96 h in the starch system.

This indicates that saccharide, including mono-

saccharide (glucose), disaccharide (sucrose) and

polysaccharides (starch), may stimulate nitrate

reduction to nitrogen gas, although the dinitrogen

gases (N2O and N2) were not determined in our

experiment.

Nitrate and nitrite in the sodium acetate

system was different from other electron donor

systems. Nitrate in leachate reached 10 mg l–1

and maintained this value for 96 h. Nitrite con-

centration was half that of glucose and sucrose

microcosms. However, ammonium increased to

about 8 mg l–1 within 96 h and remained steady

to 240 h. Afterwards, ammonium concentration

increased to 18.3 mg l–1 by the end of incubation.

Ammonium increased early maybe caused by

ammonification of organic matter, for nitrate did

not decrease at the first 96 h. But latter the high

ammonium value indicated that nitrate was

reduced to ammonium in this microcosm. The

removal of eight electrons during NO3
– reduction

to NH4
+ makes this process potentially advanta-

geous in reduced environments (Tiedje et al.,

1982). DNRA may be quantitatively important

nitrogen cycling of marine sediments (Sorensen,

1978).

Ammonium concentrations in the control sys-

tems were higher than electron donor addition

systems except for acetate. Ammonium in the

sterilized control increased for 8 h, then remained

constant at approximately 6 mg l–1 from 8 h to

192 h. In the electron donor-free control system,

ammonium increased slowly for 192 h. These

systems may be controlled by pH and redox

potential. According to pe~pH diagrams (Wang,

2001), at pH about 7.5 and pe about 0–8, ammo-

nium is the predominant nitrogen species. This

may explain why ammonium in the starch micro-

cosm increased for 96 h and then decreased to

detection limits. pH and pe conditions in the

starch microcosm up to 96 h were within the

ammonium predominance area. And, nitrate

reduction seems follow denitrification for 96 h in
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the starch system since pH was lower than 6 and

pe decreased sharply to about –6. This condition

overstepped the ammonium predominance area.

So, nitrate reduction to ammonium stimulated by

sodium acetate may be due to comparatively high

pH caused by acetate hydrolysis. In soil, similar

results were reported that DNRA was favored at

high pH (Stevens et al., 1998).

TN removal by denitrification

The ability to enhance sediment denitrification

via addition of various electron donors was

tested in sediment–water microcosms using TN

reduction as a gross indicator of denitrification

activity. TN removal from sediments in micro-

cosms over 384 h are shown in Fig. 5. TN

removal was observed in all systems but was

not significant in the sterilized control, which

increased for 48 h, then stayed steady for 384 h.

Denitrification in the electron donor-free control

increased for 144 h, and TN reduction percent-

age was 21.8%. Compared to control micro-

cosms, potato starch and sodium acetate systems

obtained higher reductive efficiency (45.5% and

42.5%, respectively). At the beginning of the

incubation, denitrification in glucose and sucrose

additions was lower than controls. However,

reductive efficiency increased sharply at the end

of the incubation (31.4% and 34.7%, respec-

tively).

These results demonstrate that additional elec-

tronic donors may accelerate. Among the four

electron donors, starch and acetate have largest

effects. TN reduction ratios of starch and acetate

were 10% higher than glucose and sucrose. Since

the starch used had low solubility, starch may

have been more associated with sediments than

the other electron donors (Gerlach et al., 1999)

However, TN reduction in the sterilized control

increased slightly throughout the experiment,

indicating that HgCl2 addition may not have been

sufficient to eliminate microbial activity; but the

increase in TN reduction was significantly less

than the non-inhibited microcosms. However, this

TN reduction was not observed in the electronic

donor-free controls, indicating that either the

sterilization agent affected abiotic redox activity,

or microorganisms could reduce TN without

electron donor addition.

Conclusions

The results presented in this paper show certain

electron donors may be used to enhance TN

removal in anaerobic sediments. Higher nitrogen

removal efficiencies were observed when acetate

and starch were added. However, nitrogen trans-

formations in anaerobic conditions supplemented

with different electron donors varied. Saccha-

rides, such as glucose, sucrose and starch, stimu-

lated nitrate reduction to nitrite, and acetate

stimulated nitrate reduction to ammonium. Nitro-

gen transformations in these microcosms were

controlled by pH and formal potential.
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A 200-year historical modeling of catchment nutrient
changes in Taihu basin, China
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Abstract Sedimentary records provide impor-

tant information for understanding changes in the

history of eutrophication in Lake Taihu. In

addition, the catchment nutrient model SWAT

provides a powerful tool to examine eutrophic

changes in a long-term context. Since it is difficult

to evaluate impacts of natural eutrophic develop-

ment and anthropogenic changes in catchment

discharge and land use, simulation of past changes

provides a mirror on processes and dynamics.

Boundaries in the simulations are set to a pre-

industrial time to evaluate natural-agricultural

nutrient changes in Taihu Basin a 100 years ago.

Total nitrogen (TN) and total phosphorus (TP) in

the main channel flowing into the lake are

simulated in four sub-basins for 200 model years.

Results show that modeling can capture basic

features of basin nutrient development, where

mean TN concentration (0.12 mg l–1) can be

compared in broad scale to mean TN concentra-

tion (0.17 mg kg–1) from Lake Taihu sedimentary

cores dating back about 100 years. Spatial nutrient

simulations suggest that the two major nutrient

sources are from the southwestern sub-basin

(48% TN and 68% TP of the basin total) and

the northwestern sub-basin (18% TN and 17%

TP). There are differences of +7.3 · 104 kg TN

and +2.0 · 105 kg TP between total input and

output values, simulating mean annual amounts

of nutrient deposited into the lake. TN and TP

concentration differences between input and out-

put sub-basins become smaller in the second

100 years than the first 100 years, suggesting a

100 year period to reach a balance of net nutri-

ents. Catchment nutrient modeling provides a

basis to evaluate how nutrient production and

balance responded to environmental changes

over 200 years in Taihu Basin.

Keywords Natural-agricultural environment �
TN and TP simulations � Nutrient change �
Decadal-centurial time scale � Taihu Basin

Introduction

Eutrophication in Lake Taihu became a problem

in the last 20 years, and anthropogenic change is a

major factor (Jin et al., 1990; Huang et al., 2001;

Qin et al., 2004). Nutrient release from lake

bottom sediments (Qin et al., 2004) and nutrient

discharge from the catchment (Xia & Yang, 2003)

are two important sources leading to eutrophica-

tion, whereas nutrient source changes from
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bottom sediments or the catchment are not only

controlled by human activities on an annual-

interannual timescale, but also are related to

natural system changes in a decadal-century time

scale (Last & Smol, 2001; Smol, 2002). Paleolim-

nological techniques can be used to reconstruct

past water quality changes on a number of time

scales using information preserved in sedimentary

profiles (e.g. Ramstack et al., 2003; Rose et al.,

2004; Bradbury et al., 2004). When tracking

eutrophic changes using lake sediments, a number

of rich-organic layers with high nitrogen content

have been found in lacustrine sediments from

Lake Taihu. At depths of 22, 30, 35, and 42 cm in

cores from Lake Taihu (Liu et al., 2004a; b), total

nitrogen contents are similar to or higher than

values at 1–5 cm (1990s; Fig. 1). While examining

longer sediment cores from Lake Taihu (Xue

et al., 1998), nitrogen contents at two layers 14C-

dated to 5,930 year B.P. (i.e. Before Present) and

7,899 year B.P. were higher than those in surface

sediments. The lake may have experienced natu-

ral eutrophication before industrial and urban

modernization in Taihu Basin. Examining and

modeling long-term changes in lake eutrophica-

tion will provide a better understanding of the

trajectories of lake environmental degradation

and help set realistic mitigation goals for recovery.

Taihu Basin (Fig. 2) is located in a lowland

area of the Changjiang River Plains in China

approximately between 29–32� N and 118–121� E
and about 50–100 km from the East China Sea

(Sun & Huang, 1993). Climate is warm and wet,

typical of subtropical monsoon climate. The basin

is covered naturally by subtropical evergreen

broadleaf forest, and the lake has a high aquatic

production (Huang et al., 2001). Natural soil

horizons developed on parent rock are composed

of loose and organic-rich fluvial-lacustrine sedi-

ments deposited in the Holocene (Sun & Huang,

1993; Wang et al., 1996). The basin is in a shallow

depression in the Changjiang River Plains, and

there is a seasonal water exchange between the

Changjiang River and Lake Taihu. Thus these

natural conditions are potentials to develop the

lake eutrophication.

To understand eutrophic changes and factors

controlling nutrients in Taihu Basin (e.g. Zhang

et al., 2002; Qin, 2002), it must be determined if

natural nutrient sources exist that can result in

eutrophication. If so, what are the rates and

trends of these natural changes? Long-term

catchment nutrient modeling of a natural system

is needed to address this question. Other issues,

such as how these natural changes were different

from anthropogenic effects, need to be addressed.

Hydrological-based catchment models provide a

powerful tool to understand these issues in

processes and dynamics (Schulze, 2000; Wang

et al., 2003).

Fig. 1 Nutrient records from sedimentary cores Dls (left) and Ms (right) in Lake Taihu, which reflect higher total nitrogen
concentrations (TN,%) than that in the 1990s on the surface sediments
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The SWAT (Soil and Water Assessment Tool)

model is a river basin-scale model developed to

predict the impact of land management practices

on water, sediment, and agricultural chemical

yields in large, complex basins with varying soils,

land use, and management conditions over long

periods of time (Arnold et al., 1998; Di Luzio

et al., 2002a). The model is physically based and

computationally efficient, uses readily available

inputs, and enables users to study long-term

impacts (Di Luzio et al., 2002b). SWAT is being

used extensively to assess the impact of global

climate on water supply and quality (e.g. Rosen-

berg et al., 1999). In this study, SWAT was

applied to simulate nutrient changes in Taihu

Basin dating back to pre-industrial time. The

model highlights the whole basin and can simu-

late catchment nutrients as sources and feedback.

Second, climatic and geographic conditions are

major controls in natural nutrient development,

and the model can be driven by climate-based

hydrology, topographical-based Hydrological

Response Units (HRUs), and nutrients sourced

from vegetation and soil coverage. Finally, natu-

ral eutrophication in a lake is a long-term process

on a decade and century timescale (Smol, 2002),

and SWAT is a continuous integration model

capable of simulation 101–102 year timescales.

This study examines major nutrient changes in

a pre-industrial time mode for Taihu Basin to

identify nutrient sources from the sub-basins,

estimate nutrient balance in the lake, and assess

trends on a timescale of 101–102 years.

Model and experimental design

The model used in this study is the AVSWAT-

2000 model (Di et al., 2002a, b), which is an

ArcView graphical user interface for the SWAT

model (Arnold et al., 1998). Basin topography is a

basic boundary in the SWATmodel. Vector-based

1:250,000 topographical maps in electronic files

(National GIS Center of China, 1999) are con-

verted using ARCINFO into a grid-based Digital

Elevation Model (DEM). Grids within 28–3� N
and 118–121� E were taken as the boundary of

Taihu Basin, and total area was 30,246 km2 with a

maximum elevation difference of 1,266 m from

the southwestern mountains to the eastern coastal

plains. Four river systems in the basin constitute

four sub-basins (Fig. 2). The Nanxi River and

tributaries flows to the lake from the northwestern

part of the basin (Sub_NW). The Tiaoxi River,

with two eastern and western tributaries, dis-

charges to the lake from the southwestern part of

the basin (Sub_SW). The southeastern part of the

basin is a watershed area from Lake Taihu

towards the Changjiang Estuary – Hangzhou

Bay (Sub_SE). The northern sub-basin connects

Changjiang River and Lake Taihu by the Great

Canal of China system (Sub_N).

Fig. 2 Geographical location (Right upper), physical and hydrological settings (Left) and four sub-basin divisions (Right
lower) of Taihu Basin
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Thus, Lake Taihu receives stream flows from

Sub_SW and Sub_NW and drains to Sub_SE.

Different from the other subbasins, there is

seasonal water exchange between the Changjiang

River and Lake Taihu in Sub_N; i.e. during

Changjiang flooding, discharge is orientated from

the River to the Lake, while in other seasons,

water flows toward the River. Based on observa-

tions in extreme years during the 1960–1980s at

Liangxihe River Station (Sun and Huang, 1993;

Huang et al., 2001), the ratio of river discharge

volumes to lake discharge volumes was 0.55:0.45,

and the ratio of river discharge days to lake

discharge days was 0.46:0.54. Thus, the ratios are

approximately 1:1. Based on the estimates above,

water input is from the 2.5 sub-basins, and outflow

is from 1.5 sub-basins (Table 1).

Land-use in the SWAT contains vegetation

coverage and agricultural, industrial, and urban

land. In this study, natural and agricultural plants

were set at a pre-industrial time mode. Vegeta-

tion data were sourced from a vector-based

1:1,000,000 China Vegetation Map (Hou et al.,

1982), which summarizes Chinese vegetation

investigations since the early 1960s. A digital

map from Hou et al. (1982) at a resolution of

10 · 10 min was interpolated into the same res-

olution as the DEM, consistent with applications

in SWAT modeling. According to the dominant

plants and relative physical and biological prop-

erties (Hou et al., 1982; China Academy of

Sciences, 1988) and the agricultural crop atlas

(Zui et al., 1984; Bi, 1995), vegetation types in

Taihu Basin consistent with the land-use types in

the SWAT model setting were assigned (Table 2).

Soil data were obtained from Chinese soil

investigations and mapping post-1980s (Institute

of Soil Science, 1986; National Soil Survey Office

of China, 1993–1997). Vector-based soil data at a

resolution of 1:1,000,000 (Unpublished data; ref.

to Shi et al., 2002, 2003) were used in the

simulation boundary. The data contain soil types

and major properties, including sand, silt, and clay

contents (%), organic matter content (%), pH,

total nitrogen (TN mg l–1), total phosphorus (TP

mg l–1), available phosphorus (AP mg kg–1), and

bulk density (g cm–3). Additional soil parameters

were based on documentation of regional soils in

China (Institute of Soil Science, 1986; Zhang,

1998).

Climate data were sourced from observations

made from 1960 to 1990 (National Meteorology

Center of China, 2001). The 30-year mean

monthly temperature and precipitation data were

the two major climate variables for the long-term

simulation. Relative climate parameters were

based on the Atlas of China Climate (Lu &

Gao, 1984).

The pre-industrial model was designed to

simulate natural-agricultural impacts on water,

sediments, and nutrients in Taihu Basin.

Model results were compared to geological

records from lake cores, which preserve informa-

tion on decadal-centurial time scales.

Results and analysis

The experiment runs 200 model years in four

sub-basins and simulates the flow of major

nutrients through the main channel in the catch-

ment, nutrients transported with water during

each time step in concentrations in HRUs, and

production in each sub-basin. The simulation

outputs contain organic nitrogen, NO3
–, NO2

– and

NH4
+, organic phosphorus and mineral phospho-

rus. Total nitrogen (TN) is calculated as a sum of

organic nitrogen, NO3
–, NO2

– and NH4
+ and

total phosphorus (TP) as the sum of mineral

phosphorus and organic phosphorus.

Table 1 Sub-basin
topography and discharge
features

Subbasin Sub_SW Sub_NW Sub_N Sub_SE Total

Area (km2) 5254 8298 3710 12984 30246
Elevation range (m a s l.) 21–1266 2–453 1–283 0–178 –
Mean elevation (m a s l.) 180 31 11 7.8 –
Input basin 1 1 0.5 0 2.5
Output basin 0 0 0.5 1 1.5
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Simulation of TN and TP production

from four sub-basins

The model simulates 200-year processes for

nitrogen and phosphorus production for each

sub-basin (Fig. 3). When annual means for each

sub-basin (column diagrams in Fig. 4) are divided

by sub-basin areas (pie diagrams in Fig. 4), the

largest portions of TN and TP are produced in the

southwestern mountain areas of Sub_SW, in

which TN is 48% and TP is 68% of total

production in the basin. Smaller portions of

nutrients are produced in Sub_NW (18% TN

and 17% TP) and Sub_N (18% TN and 10% TP).

The smallest portion is generated in Sub_SE

(16% TN and 5% TP).

About half of the nitrogen production comes

from Sub_SW, which relates to high biome

productions of evergreen forests over the areas

(Huang et al., 2001). The model also simulated a

Table 2 Dominant plants in Taihu Basin and assigned land use types in the SWAT modeling

Land use type
in SWAT model

Dominant plants in Taihu Basin

Forest - Mixed Pinus massoniana forest: Shrubby layer with Rhododendron simsii, Vaccinium bracteatum,
Loropetalum chinense and Eurya nitida; Cunninghamia lanceolata forest

Forest - Deciduous Deciduous oak forest: Quercus Mongolic, Quercus variabilis, Q. Acutedentata and Q. glandulifera
Forest - Evergreen Mixed forest containing Cyclobalanopsis, Castanopsis and Fagus; Phyllostachys pubescens forest
Wetlands - Mixed Halophytic grass and forb meadow Aeluropus littoralis var. sinensis and Suaeda salsa
Winter Wheat Winter wheat, coarse grains (corn, millet, sweet potatoes), two crops annually
Rice Summer rice, winter wheat (rapeseed), two crops annually (double cropping rice locally); Double-

cropping rice followed by winter wheat (rapeseed) or green manure; Single or double-cropping
rice followed by winter wheat, rapeseed, green manure annually

Potato Potatoes, sweet potatoes, grains, soybean green upland crops annually
Water Water

Fig. 3 Annual nitrogen and phosphorus production (kg)
simulated from four sub-basins in Taihu Basin, where total
nitrogen (TN) as a sum of organic nitrogen (ORGN), NO3

–,

NO2
– and NH4

+, total phosphorus (TP) a sum of mineral
phosphorus (MINP) and organic phosphorus (ORGP)
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high phosphorus production (–67%) for this

area, reflecting strong weathering and erosion of

limestone and metamorphic bedrock/outcrop-

pings in the sub-basin. Additionally, relatively

steep slopes in this mountain area (mean 2.0%)

result in a high capability of discharge and

transportation. Lower nutrient production was

simulated in Sub_SE, which is an output area for

Lake Taihu. Although nutrients discharge to

coastal areas, there is small slope (mean < 0.1%),

which often slacks water flows and favors nutrient

deposition into the lake.

Annual and areal means of TN and TP

production are plotted in Fig. 5. Total TN input

from the 2.5 sub-basins to the lake is

1.86 · 105 kg, and total TN from 1.5 output sub-

basins is 1.14 · 105 kg. This indicates that there is

net deposition of 7.3 · 104 kg TN to the lake.

Annual TP mean is 2.39 · 105 kg in 2.5 input

sub-basins and 0.41 · 105 kg in 1.5 output sub-

basins. TP difference between input and output

is 1.99 · 105 kg, suggesting that there is TP

deposition in the lake each year.

Analysis of catchment-sourced lake

eutrophication

To examine lake eutrophication changes, the

nutrient balance was evaluated by calculating

nutrient differences between input sub-basins and

output sub-basins. TN and TP concentrations

used are weighted averages of all HRUs within

the sub-basins.

The 200-year simulations show that annual TN

concentration changes are characteristic of 12-

month cycles (Fig. 6a). In the first 100 years,

mean TN concentration difference was

0.044 mg l–1, suggesting a positive deposition in

the lake. In the second 100 years, the mean

difference decreases to 0.017 mg l–1, reflecting

positive nitrogen deposition but at a lower rate

than the first 100 years. Slopes for the trends are –

3.3 · 10–5 in the first 100 years and –1.4 · 10–5 in

the second 100 years (Fig. 6a), indicating that TN

change stabilized after the first 100 years.

TP concentration simulations show phospho-

rus deposition in the lake (Fig. 6b). The TP

difference in the first 100 years (+0.012 mg l–1)

is higher than the second 100 years

(+0.008 mg l–1), indicating a declining trend in

phosphorus deposition. The slope for the first

100 years (–5.0 · 10–6) was steeper than the

second 100 years (slope –2.4 · 10–6), suggesting

that phosphorus concentration changes are small

in the lake.

Fig. 4 Distribution simulations of TN and TP in the Lake
Taihu sub-basins. Nutrient codes as in Fig. 3

Fig. 5 Simulations of TN and TP annual means (kg) and
the annual area means (kg km–2) in four sub-basins
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Discussion and conclusions

Comparison with nutrient records from lake

sediment cores allows evaluation of the simula-

tions when the area was agricultural before

modern industrial development in Taihu Basin.

Two sediment cores provided TN concentrations

dating back 100 years (Liu et al., 2004a; Fig. 1).

Core Dls was taken from the southern part and

Core Ms from the northern part of Lake Taihu.

TN concentrations at core depth of 20–40 cm are

0.14–0.19 mg kg–1 (Liu et al., 2004b), where

sediment samples were 210Pb- and 137Cs-dated

to before 1900 AD (Liu et al., 2004a). 200-year

means show TN concentrations between 0.09

and 0.18 mg l–1 (Fig. 7). Geochemical nitrogen

values from lake sediments may be subjected to

post-depositional mobility (Smol, 2000). Diatom-

inferred nutrients, together with geochemical

data, may be used for historical eutrophication

studies in the future.

The simulation mean (0.12 mg l–1) and sub-

basin means (0.09–0.18 mg l–1) are significantly

lower than the data mean (0.17 mg kg–1) and two

cores (0.14–0.19 mg kg–1) with 95% confidence

interval in T-test. Nitrogen from sediment cores

would respond to both catchment sources and

lake water production. However, the present

modeling is focused on nutrient production in

the catchment and transport to the lake. Thus, the

nitrogen concentration simulation should be low-

er than in the cores. Modeling may adequately

simulate basin nutrients for pre-industrial times.

In summary, the present simulation may cap-

ture major factors of lake eutrophication over a

200-year history. Analysis of spatial nutrient

distributions suggests that the major source

(48% TN and 68% TP) comes from the south-

western sub-basin. Due to a gentle slope in the

eastern plains of Taihu Basin, the smallest portion

of nutrient input (16% TN and 5% TP), from the

southeastern sub-basin, cannot be fully dis-

charged to the lake. There is a net annual nutrient

deposition of 7.3 · 104 kg TN and 1.99 · 105 kg

TP to the lake. Time series analysis for the 200-

year simulation suggests that nitrogen and phos-

phorus deposition has decreased over the last

100 years.

Catchment nutrient modeling provides a basis

to evaluate nutrient production and balance

response to environmental changes for the last

200 years in Taihu Basin. There is considerable

uncertainty about the direction of future nutrient

changes in Lake Taihu due to anthropogenic

changes. The accuracy of model-based predic-

tions of future eutrophication cannot be evalu-

ated, but the models used to generate such

predictions can be tested by simulating the past

and comparing these simulations with sediment

records. This effort, along with future investiga-

Fig. 6 Monthly differences of TN and TP concentration
with the 12-month moving means between input and
output sub-basins in Taihu Basin

Fig. 7 Modeling TN means for a 100 year ago and
measured TN from sediment records in Lake Taihu.
Modeling TN concentrations (mg l–1) for the lake water
are tentatively compared to concentrations from sediment
deposits (mg kg–1)
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tions, e.g. using regional climate modeling (Zheng

et al., 2003) and fossil pollen-based vegetation

reconstructions (Yu et al., 2000), would provide

more credibility for modeling the future.
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Evaluation of biogenic and anthropogenic inputs
of aliphatic hydrocarbons to Lake Taihu sediments using
biomarkers
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Abstract Surficial sediments from 13 sites

throughout Lake Taihu, one of the largest urban-

ized freshwater lake systems in China, were

analyzed for biomarkers (e.g., n-alkanes and

hopanes) to track the origin of organic inputs

(biogenic or anthropogenic), and, thus, to identify

any ‘hot spots’ of hydrocarbon contamination. A

distinct spatial distribution of aliphatic hydrocar-

bons in sediments was observed in Lake Taihu.

At the northern tip of the lake (i.e., Meiliang and

Wuli Bays), the highest mean aliphatic hydrocar-

bon concentration, with a significant contribution

of an unresolved complex mixture (UCM), was

found, indicating possible anthropogenic petro-

leum contamination (mainly from untreated and

partially treated industrial and domestic sewage

fromWuxi, Changzhou and other cities). This was

supported by the n-alkane indices (e.g., small

Carbon Preference Index and odd-to-even val-

ues) and a high degree of maturity of the hopane

biomarkers. However, hydrocarbons from East

Taihu were mainly biogenic, with the lowest mean

concentrations, negligible or no contribution of

UCM, abundance of vascular plant C23–C33 n-

alkanes with a high odd-to-even predominance,

and the presence of biogenic hopanes (e.g.,

17b(H), 21b(H)-hopanes and hopenes). In the

other areas of the lake, however, the predomi-

nance of biogenic in combination with petrogenic

hydrocarbons was indicated by the biomarkers.

Keywords Lake Taihu � Sediment �
Biomarkers � Sources � Biogenic �
Anthropogenic

Introduction

Aliphatic hydrocarbons (AHCs) are ubiquitous in

aquatic sediments, and they derive from anthro-

pogenic and natural sources (Zanardi et al.,

1999). Potential long-term deleterious effects of

hydrocarbon pollutants to organisms and human

health, through trophic transfer, has driven inten-

sive research to study hydrocarbon pollutant

sourcing in aquatic environments using biomar-

kers and related indices (Albaiges & Albrecht,
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1979; Qu et al., 1998; Commendatore et al., 2000;

Barakat et al., 2002).

Lake Taihu is the third largest freshwater lake

in China (Sun & Huang, 1993; Qu et al., 1999;

Qin et al., 2007). Pollution is one of the key

environmental problems in Lake Taihu due to

recent urbanization and industrial development,

with associated increases in urban, industrial and

rural pollution (TBA, 1998). For example, Meili-

ang Bay (at the northern tip) receives large

amounts of untreated effluent from industries in

Changzhou and Wujin, mainly through Zhihu-

gang. Just beside Meiliang Bay, there is a small

lagoon (area ~10 km2) named Wuli Bay (Fig. 1),

which receives millions of tons of domestic and

industrial sewage each day, mainly via Liangxihe

from Wuxi, a large city located ~2 km northeast

of Wuli Bay (Zou et al., 1996). The southeast part

of Lake Taihu (East Taihu; area 131 km2) has

macrophytes covering ~97% of its total area and

is referred to as a macrophyte-type basin.

In this article, surficial sediments from 13

sites in Lake Taihu were analyzed for biomar-

kers (e.g., n-alkanes and hopanes) to track

origins of organic inputs (biogenic or anthropo-

genic) and identify ‘hot spots’ of hydrocarbon

contamination.

Materials and methods

Sample collection

Surface sediments were collected using a metallic

bucket grab sampler in February 2000 at stations

shown in Fig. 1. Sites 1, 2 and 3 are located in

Wuli Bay. Site 1 is close to the mouth of

Liangxihe. Site 4 is located in west Meiliang Bay

near the mouth of Zhihugang. Site 5 is located in

central Meiliang Bay. Sites 11, 12, and 13 are

located in East Taihu, and the other sites (6–10)

are distributed in the West Basin. Sediment

samples were returned to the laboratory and kept

frozen until analyzed.

Extraction and fractionation

Sediment samples were dried in the air and sieved

(100 mesh or 149 lm) to remove large particles of

plant debris. About 50–100 g of sediment were

extracted in a Soxhlet (500 ml; (2:1) CH2Cl2/

MeOH) solution for 72 h. Sulphur was removed

by activated copper. Extracts were fractionated

into aliphatic hydrocarbons and aromatic hydro-

carbons on an activated silica/alumina column

using hexane and benzene as eluents, respectively.

Fig. 1 Sampling sites in
Lake Taihu
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Gas chromatography and mass spectrometry

Aliphatic hydrocarbons were analyzed on a gas

chromatography-mass spectrometry (GC-MS)

instrument (HP5890 capillary GC-HP5989A

quadrupole MS). Operating conditions were: a

HP-5 fused silica capillary column (30 m ·
0.25 mm), high-purity He carrier gas (>4.6); gra-

dient temperature: 70 fi 300�C, at 4�C/60 s; ion

source temperature: 250�C and electron energy:

1.12 · 10–17 J (Qu et al., 1998). Biomarkers were

analyzed by monitoring m/z 85 (alkanes) and m/z

191 (hopanes) using the GC/MS in Selected Ion

Monitoring (SIM) mode (Qu et al., 1998).

Total organic carbon analysis

Total organic carbon (Org-C) was determined on

dried sediments by K2Cr2O7 volumetry (Marr &

Cresser, 1983).

Results and discussion

Gas Chromatography––total aliphatic

hydrocarbon fraction

Concentration of total aliphatic hydrocarbons

(AHCs, defined as the sum of resolved peaks

plus the unresolved complex mixture, UCM) and

organic carbon for 13 surface sediments in Lake

Taihu are summarized in Table 1.

A distinct spatial distribution of aliphatic

hydrocarbons in surface sediments was observed.

High AHC concentrations (>300 lg g–1 dw) were

found in sediments from Wuli Bay (Sites 1–3),

with the highest concentration (1,630 lg g–1 dw)

occurring at Site 1 (Table 1). This may be because

Site 1 is close to the mouth of the Liangxihe,

which carries large amounts of untreated domes-

tic and industrial sewage from Wuxi and other

small cities near Wuli Bay (Fig. 1). AHC concen-

tration at Site 4 also was high (342 lg g–1 dw).

This may be explained by its proximity to the

mouth of Zhihugang, which carries about 20 mil-

lion tons of industrial effluents annually from

industrialized cities and towns (e.g., Changzhou

and Wujin) (Sun & Huang, 1993). AHC concen-

trations in sediments from other sites were lower

(<100 lg g–1 dw), with the lowest occurring in

East Taihu (36, 33 and 54 lg g–1 dw for Sites 11,

12 and 13, respectively) (Table 1), which is likely

due to the greater distance from major urban and

industrial areas and, thus, anthropogenic hydro-

carbon sources. The same spatial distribution

pattern was found for other micropollutants, such

as polycyclic aromatic hydrocarbons (PAHs) (Qu

et al., 2002).

To reduce variability from organic matter

dilution by inorganics and, thus, better evaluate

sediment hydrocarbon pollution, AHC concen-

trations (in lg g–1) were normalized to organic

carbon content (Org-C%). The ratio of AHC

concentration to Org-C% has been used as a

diagnostic tool, proposing that hydrocarbon

(petroleum) pollution is present when the ratio

is >50 (Boehm, 1984; Hong et al., 1995). In this

study, Sites 1–4 showed the highest Org-C-nor-

malized AHC concentrations (ranging from 144

to 426), indicating the presence of substantial

hydrocarbon contamination at the northern tip of

the lake. Sediments from East Taihu (Sites 11,12

and 13) had the lowest ratios (ranging from 14 to

52) and were considered unpolluted. AHCs in the

remaining sediment samples (mainly from the

West Basin) were intermediate relative to Org-C

and appeared to be slightly contaminated

GC/MS SIM analysis of alkane biomarkers

for AHC source tracing

To distinguish probable sources of AHCs

(anthropogenic or biogenic) in surface sediments,

different n-alkane evaluation parameters, such

as UCM index, carbon preference index (CPI)

and even-to-odd carbon number predominance

(OEP) ratios, were analysed in addition to

absolute concentrations.

UCM is a mixture of chromatographically

unresolved components (e.g., many structurally

complex isomers and homologues of branched

and cyclic hydrocarbons) seen as a ‘hump’ in the

chromatogram (Hostettler et al., 1989; Hong

et al., 1995). UCM magnitude is related to the

degree of anthropogenic (petroleum) contribu-

tion (Mazurek & Simoneit, 1984; Commendatore

et al., 2000). UCM is shown clearly in gas chro-

matograms of aliphatic hydrocarbons in heavily
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AHC polluted sediments (e.g., Site 4, Fig. 2a).

Table 1 suggests that UCM accounted for >60%

of total AHCs in sediments from Sites 1 to 4,

indicating possible petroleum contamination. In

contrast, sediments from East Taihu (Sites 11, 12

and 13) showed negligible UCM contribution

(<10%) (Fig. 2b), indicating absence of petrogen-

ic inputs. UCM in other samples contributed

about 10–50% to total AHCs, suggesting pre-

dominance of biogenic in combination with

petrogenic hydrocarbons.

The CPI and OEP indices also are used as

diagnostic criteria of hydrocarbon sources

(anthropogenic or biogenic) in sediments (Ho-

stettler et al., 1989). In most plant waxes, odd-

chain alkanes are 8–10 times more abundant than

even-chain n-alkanes. Thus, vascular plants and

unpolluted sediments usually show high OEP and

CPI24–34 values (ranging from 3 to 6). However,

petrogenic hydrocarbons often show a wide dis-

tribution range of n-alkanes, and the even/odd

ratio shows no predominance, with CPI values

around 1 (Colombo et al., 1989). As expected,

samples from Wuli and Meiliang Bays displayed

low CPI (ranging from 1.8 at Site 1 to 2.6 at Site

5) and OEP (ranging from 1.6 at Site 1 to 2.1 at

Site 5) ratios (Table 1, Fig. 2c), which evidenced

the presence of (riverine) petroleum residues in

surface sediments at the northern tip of the lake.

Lower CPI and OEP values occurred in samples

from the West Basin (Sites 6–10), which indicates

decreased contribution of petrogenic hydrocar-

bons. Samples from East Taihu (Sites 11, 12 and

13) showed the highest CPI (5.8, 8 and 4.4,

respectively) and OEP ratios (3.1, 3.4 and 2.9,

respectively) (Table 1, Fig. 2d), confirming that

these sediments contain mainly contributions

from biogenic sources (i.e., vascular plants).

GC/MS SIM analysis of hopane biomarkers

for source tracing

Chromatograms of the hexane fraction (Fig. 2)

also showed some hopane biomarker peaks.

Therefore, GC/MS SIM analysis of hopanes

(m/z 191) was conducted to provide more infor-

mation on AHC sources and spatial patterns,

since these biomarkers are more resistant to

degradation than alkanes and isoprenoids and

retain their composition and distribution during

various processes (Barakat et al., 2002).

In the AHC polluted sediments (Sites 1–4), the

thermodynamically stable 17a(H), 21b(H)-ho-

pane (that is, ab-hopane) series were more

Table 1 Concentrations of total aliphatic hydrocarbons (AHCs), organic carbon (Org-C), alkane and hopane biomarker
parameters for 13 sediment samples in Lake Taihu

Locations Org-C
(%)

AHC
lg g–
1 dw

UCMa(%) AHC/
Org-C

Odd/
Even
(OEP)

CPIb24-
34

%C30-hopenes/
total hopanes

Tm/
Tsc

C30ba/
(ab + ba)

C30bb/
ab

C31S/
(S + R)

1 3.83 1630 80 426 1.6 1.8 1.1 0.90 0.08 0.00 0.53
2 2.05 337 60 164 1.9 2.4 4.9 0.91 0.10 0.00 0.54
3 2.16 312 65 144 2.0 2.0 4.7 0.92 0.10 0.00 0.55
4 1.86 342 60 184 1.6 2.1 1.6 0.80 0.06 0.00 0.58
5 1.06 93 45 87 2.1 2.6 6.0 0.94 0.18 0.00 0.53
6 0.87 66 15 76 2.3 3.7 6.9 1.50 0.18 0.00 0.48
7 0.82 73 40 89 2.8 3.7 6.3 1.00 0.13 0.00 0.52
8 0.81 74 35 91 2.1 2.8 5.1 1.00 0.11 0.00 0.53
9 0.94 52 15 55 2.3 3.3 9.6 1.70 0.15 0.00 0.52
10 0.81 112 45 138 2.5 3.8 9.7 1.00 0.11 0.00 0.50
11 1.99 36 6 18 3.1 5.8 36.1 2.00 0.20 0.50 0.41
12 2.31 33 8 14 3.4 8.0 13.1 3.28 0.19 0.12 0.46
13 1.04 54 7 52 2.9 4.4 10.0 1.80 0.18 0.10 0.48

a UCM = Unresolved complex mixture
b CPI24–34 = 1/2([(C25+C27+C29+C31+C33)/(C24+C26+C28+C30+C32)]+[(C25+C27+C29+C31+C33)/(C26+C28+C30+C32+C34)])
c Tm/Ts = 17a(H)-22,29,30-trisnorneohopane /18a(H)-22,29,30-trisnorneohopane (Please refer to the text for more
explanations)
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abundant than the less stable ba-hopane series,

natural biogenic bb-hopane series or mono-unsat-

urated hopanes (e.g., C30-hopenes) (Fig. 3a).

These samples thus had a high degree of hopane

biomarker maturity (e.g., lower ratios of C30ba/
(ab + ba), C30bb/ab and % C30-hopenes)

(Table 1), suggesting a contribution of petrogenic

hydrocarbons. Further confirmation of petrogenic

pollution was obtained from other geochemical

maturity and source indicators. Mature sediments

often have low 17a(H)-/18a(H)-22,29,30-tris-

norneohopane (Tm/Ts) ratios; extended ab-ho-
panes (i.e., series with more than 30 carbon

atoms) are resolved into two diastereomers (22S

and R) with high S/(S+R) ratios near values for

full maturity (equilibrium distribution) (e.g.,

approximately 0.6 for C31ab-hopanes) (Hostettler

et al., 1999). This is the case in samples from Sites

1 to 4 (Fig. 3a, Table 1).

However, hopane in East Taihu sediments

were biogenic (e.g., bb-hopane series and mono-

unsaturated hopanes) (Fig. 3b). These samples

had the highest ratios of C30ba/(ab + ba) (ranging
from 0.18 to 0.20), C30bb/ab (0.10 to 0.50) and %

C30-hopenes (10.0–36.1%) (Table 1). Mass chro-

matograms (m/z 191) of these samples (e.g., Site

13, Fig. 3b) also showed extended ab-hopane
epimers and trisnorhopanes, Ts and Tm, indicat-

ing lower maturity (i.e., higher Tm/Ts and lower

C31 S/(S+R) epimer ratios) (Table 1). All these

features are indications of low geochemical

maturity and biogenic hydrocarbon sources. In

addition, the rest of the samples, mainly from the

Western Basin, showed a mixture of mature and

immature constituents (Table 1), supporting the

conclusion that these sediments contain both

biogenic (i.e., vascular plants) and anthropogenic

(i.e., petrogenic) sources.

Conclusions

In summary, Lake Taihu surficial sediments

showed different levels and sources of aliphatic
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Fig. 2 Capillary column gas chromatograms of the hexane
fraction of sediment samples from (a) Site 4 (representa-
tive of locations with mainly anthropogenic contributions)
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biogenic contributions); the m/z 85 ion chromatograms of
sediment samples from (c) Site 4 and (d) Site 13 in Lake
Taihu. Peaks labeled are the n-alkanes from C14 to C33
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hydrocarbons, and biomarkers and related indices

can provide information on anthropogenic con-

tamination, especially related to petrogenic

sources, as well as recent biogenic materials.

Near urban (e.g., Wuxi and Changzhou) and

riverine (e.g., Zhihugang and Liangxihe) dis-

charges, anthropogenic petrogenic AHC inputs

were predominant. This was supported by: (1)

high Org-C-normalized AHC concentrations;

(2) significant contributions of UCM; (3) low

n-alkane CPI and OEP; and (4) the high degree of

maturity of hopane biomarkers. On the contrary,

East Taihu sediments exhibited: (1) the lowest

level of AHCs; (2) negligible or no contributions

of UCM; (3) high n-alkane CPI and OEP; and (4)

low degree of maturity of hopane biomarkers.

These features suggested that AHCs in these

sediments have a dominant biogenic (vascular

plants) origin. Biomarker parameters for Western

Basin sediment samples, however, indicated the
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Fig. 3 Mass chromatograms of m/z 191 (hopanes) of
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22,29,30-trisnorneohopane; Tm = 17a(H)-22,29,30-tris-
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predominance of biogenic in combination with

petrogenic hydrocarbons.

Information on sources and spatial variations

of AHCs, together with other micropollutants,

such as PAHs and heavy metals, may be useful in

designing future strategies for protection and

management of Lake Taihu.
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Spatio-temporal distribution of nitrogen in the undulating
littoral zone of Lake Taihu, China
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Abstract Spatio-temporal distribution of nitro-

gen was examined along the gradient from open

water to lakeshore in Lake Taihu, China. Two

types of undulating littoral zones were selected:

natural reed belt and bare lakeshore. The reed

belt affected nitrogen transformation and was

sink for internal-lake nitrogen, whereas the bare

lakeshore showed little effect. During the growing

season, NO3
–-N concentration increased by up to

3–5 times from open water to reed belt, while

NH4
+-N concentration decreased. It suggested that

nitrification was the main nitrogen process in reed

belt. Total dissolved nitrogen (TDN) showed

little spatial variation, indicating that most of

nitrogen released from sediment did not move

into open water again. Significant temporal

variation of dissolved nitrogen occurred and was

similar in both the littoral zone and the open

water. Maximum TDN and NH4
+-N concentra-

tions occurred in January, and NO3
–-N in March.

Minimum NH4
+-N and NO3

–-N concentrations

occurred in July and August, respectively. An

increasing total soil nitrogen was found in the

surface sediments from reed belt to open water.

This further suggested that the reed-covered

littoral zone had strong nitrogen transformation

potential.

Keywords Nitrogen � Distribution � Spatial �
Temporal � Littoral zone

Introduction

Riparian zone, the transitional boundary between

terrestrial and aquatic ecosystems, influences

water movement and waterborne contaminants

(Fennessy & Cronk, 1997) and is the principal

route for transport of allochthonous matter from

terrestrial to aquatic systems (Naiman et al.,

1989). Many studies have shown that riparian

buffer strips with small dimensions but playing a

disproportionately large role, can attenuate ter-

restrial non-point source pollutants, including

sediment, phosphorus and nitrogen (Cooper

et al., 1987; Yin & Lan, 1995; Bratli et al.,

1999). Recent industrial growth and intensive
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agriculture have resulted in many riparian zones

being disturbed or destroyed (Mitsch, 1995). If

70–95% of natural riparian systems are disturbed

or destroyed, the landscape would lose much of

its water purification and protection capacity

(Fennessy & Cronk, 1997). In China, many lakes,

such as Lake Taihu (Hu et al., 1998) and Lake

Chaohu (Xu et al., 2003), have deteriorated with

nutrient loading sufficiently high to maintain a

eutrophic state, even after external nutrient

source reduction (Xu et al., 2003). Removing

internal nutrients from aquatic systems may help

control eutrophication. Dredging sediment from

lakes is a direct, physical method (Xu et al.,

2003), but it is expensive and difficult to apply to

the whole lake. Instead, it is urgent to find

alternative biological techniques based on natural

processes.

Lake Taihu is an important drinking water

source and supports local agriculture, tourism and

fisheries. Since the 1980s, rapid industrial devel-

opment, heavy application of chemical fertilizers

and intensive use of water resources have resulted

in nutrient-rich water discharge into the lake,

causing hyper-eutrophication. According to the

Chinese environmental quality standards for sur-

face water (GB 3838-2002), Lake Taihu water

quality has deteriorated from grade I–II to grade

IV–V, affecting life and economic development.

Thus, studies on improving water quality, via non-

point and point pollutant attenuation schemes,

have been carried out in Lake Taihu (Dou et al.,

1995; Pu & Hu, 1996). While internal pollution

and sediment/water interactions are stronger in

shallow versus deep lakes (Threlkeld, 1994),

internal loading may result from accumulation

of pore water nutrients and subsequent release

across the sediment–water interface in shallow

lakes (Kleebery & Kozerski, 1997). Internal

nutrient loading from sediments may have an

equal or greater contribution than external load-

ing from the watershed (Detenbeck et al., 1993).

Reducing internal nutrient loading is difficult,

especially with respect to nitrogen, which is

comparatively active.

Riparian zones can decrease the energy of

flowing water, often resulting in increased sedi-

mentation (Naiman et al., 1989). Finer suspended

or resuspended sediment with abundant labile

nutrient and absorbed pollutants (Naiman &

Décamps, 1997) carried by flowing water enrich

riparian sediments proportionally (Johnston et al.,

1984). Whether riparian zones will be a sink or

source to open water is not clear. A review of

nutrient budgets for lacustrine wetlands revealed

that the lakeshore could be a net sink for nitrogen

and phosphorus either seasonally or annually

(Van der Valk et al., 1978). Prentki et al. (1978)

suggested that wetland plants and macrophytes

act as nutrient pumps from the sediment, while

Sager et al. (1985) implied that lakeshore marshes

act as nutrient transformers rather than nutrient

sinks. If plant-covered littoral zones can act as

nutrient sinks, with nutrients mostly converted to

inactive forms with low mobility and bioavailabil-

ity or removed completely, then the riparian zones

could mitigate internal pollution. However, little

information is available, since most researchers

have focused on non-point source or external

pollutant removal (Mitsch, 1995). To explore this

problem, two types of littoral zones with different

plant coverage and lacking terrestrial inputs were

selected. In the first year, we mainly developed

some fundamental work for our further long-term

research in the two littoral zones, involving water,

sediment, plant and phytoplankton, and focused

on nitrogen in this paper.

Riparian zones are biogeochemical hot-spots

for nitrogen (Cirmo & McDonnell, 1997), where

complicated nitrogen transformations take place.

Nitrogen distribution is a function of physical,

chemical and biological processes in the water

column and sediments (Watts et al., 1998).

Spatio-temporal distribution of nitrogen in

mesocosmic environments may be representative

of such processes. This paper presents results of a

13-month field study on spatio-temporal nitrogen

distribution in the littoral zone of Meiliang Bay,

Lake Taihu.

Materials and methods

Lake Taihu is a shallow, eutrophic lake in Jiangsu

Province, East China. Monsoon climate domi-

nates this region with annual mean air tempera-

ture of 14.9–16.2�C and a growing season lasting

from April to November. Meiliang Bay, in the
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northern part of the lake, is hyper-eutrophic. Two

types of littoral zones with differing plant cover-

age and one open water site (control) were chosen

in Meiliang Bay (Fig. 1). Site A is a reed-covered

littoral zone with an above-ground dry biomass

density of 3–4 kg m–2, and Site B is a bare zone

without plants. Site A is covered by a well-

developed reed population with few other

macrophytes. From open water, the first 25 m is

inundated continuously, and the next 20 m is

inundated intermittently. Toward land, the first

50 m are dominated by a reed (Phragmites

australis) community and Gramineae, then a

change from herbs to shrubs toward hills. All

shrub stands are at least 30 years old, dominated

by Myrica rubra, Symplocos setchensis, Loropeta-

lum chinense and Eurya murica, and without

visual evidence of recent natural or human

disturbance, such as fire, wind-throw, logging or

widespread insect infestation. In the lake-ward

zone, there are sparse macrophytes with Myrio-

phyllum verticillatum predominant in spring. The

lake bottom is overlain by 30–40 cm soft sediment.

Site B is a bare zone with little bottom sediment,

and the interface between water and hills is cliff

rock about 10 m wide. Shore vegetation resembles

Site A with abundant shrubs. The open water site

(C) is regarded as a control point. Initially, Site C

was about 500 m from shore. After three pre-

liminary surveys, due to little variation from 100 to

500 m, another station about 200 m from Site A

was chosen as the control point.

To collect water and sediment and reduce

sampling disturbance, a sampling bridge (50 cm

width, 60 m long) was built from dry shore to

open water at Site A. To investigate subsurface

water in the supralittoral zone, a soil auger

(Ø = 11.5 cm) was used to dig 5 vertical holes

about 2 m deep as monitoring wells, and poly-

propylene pipes (Ø = 11 cm) equipped with

nylon netting (< 300 lm) at the bottom were

inserted into the wells.

Nine sampling stations at Site A and three at

Site B were established for monthly sampling

along open water to lakeshore (Fig. 1), named

A1–A9 and B1–B3, respectively. The interval

distances of stations A1–A9 were 100, 50, 15, 15,

5, 5, 5 and 5 m, respectively, with A9 10–15 m

from the lake edge at high water, A5 at the fringe

of the reed belt, and A1–A4 in the water without

macrophytes. On occasion, low water levels left

A9 out of water. At Site B, the interval was 50 m.

Sampling stations were selected after an extensive

survey of hydrochemistry reflecting the fringe

effect of reed belt.

Monthly water sampling was carried out from

Sep. 2003 to Sep. 2004. At each sampling, after

4–5 days of calm water, triplicate samples were

taken using a 3-m long tube providing a vertical

sample from the whole water column (Présing

A
B

Fig. 1 Sampling station
distribution in Sites A
and B
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et al., 2001). Samples were placed in acid-washed

polyethylene bottles and stored in a heat-preser-

vation box on site. Dissolved oxygen (DO), pH,

and Eh were measured in situ using an oxygen

meter (YSI Model 57) and a pH/Eh meter (HI

8424 Microcomputer HANNA), respectively. In

the laboratory, 250 ml from each water sample

was filtered within 24 h for analyses of nutrient

and chlorophyll-a concentrations. Ammonium

nitrogen (NH4
+-N), nitrate nitrogen (NO3

–-N),

nitrite nitrogen (NO2
–-N), and chlorophyll-a (chl-

a) were determined using APHA standard meth-

ods (APHA, 1998). Total nitrogen (TN), total

phosphorus (TP), total dissolved nitrogen (TDN),

and total dissolved phosphorus (TDP) were

determined by peroxodisulfate oxidation (Ebina

et al., 1983) in original water samples and fil-

trates, respectively. Total particulate nitrogen

(TPN) and total particulate phosphorus (TPP)

were calculated as the difference between TN and

TDN, and TP and TDP, respectively.

About 300–400 g wet weight of mixed sedi-

ment (0–10 cm) and surface sediment (0–1 cm)

was collected in duplicate using an Ekman-

bottom sampler (Hydro-Bios, Kiel, Germany).

At Site B, no sediment was present or collected.

Sediment samples were stored in polyethylene

bags and air-dried in the laboratory. Dried

sediments were sieved (£150 lm) for analyses of

soil organic matter (OM) and total soil nitrogen

(TSN) contents. OM was obtained from the loss

on ignition (500�C, 2 h; Zhu & Carreiro, 2004),

and TSN was determined by the semi-microdi-

stillation method using a K2SO4–CuSO4–Se cat-

alyst (Lao, 1996).

From Apr. to Sep. 2004, particle sedimentation

rates were measured with three sediment traps

(Wahbah & Zughul, 2001) placed in different

locations in the two littoral zones. Each trap

consisted of a cylindrical plastic jar (19 cm height,

7 cm diameter) attached to a rope stretched by an

anchor and subsurface buoy marked by a floating

buoy. Traps were retrieved monthly, sampled and

then redeployed. Material collected in the trap

was oven-dried at about 60�C for measuring total

weight, and TSN and OM contents were mea-

sured as described above.

For subsurface water, samples were collected

twice in the growing (May and June 2004) and

non-growing season (Jan. and Feb. 2004). Two

days prior to sampling, stagnant water in each well

was removed three times, allowing the water level

to recover to its original level on the sampling day.

Nutrient analyses were carried out as above.

Storm runoff may be an important nutrient

source in littoral zone. During the study, storms

with duration more than 1 h were few. Surface

runoff samples in the littoral zone could not be

collected during any of the storms, so overland

runoff effects remain untested.

One-way ANOVA was used to test temporal

and spatial differences by means of parameters.

Unless otherwise noted, all significant differences

were at a probability of 0.05 or less. All analyses

were performed using SAS 8.01 software (SAS,

Inc., Cary, NC, USA).

Results

Spatial distribution of inorganic and total

nitrogen

At Site A, water column NH4
+-N and NO3

–-N

concentrations exhibited opposite trends from

open water to reed belt in the growing season

(Fig. 2). NH4
+-N concentrations decreased from

3.3 to 1.5 mg l–1 in April and 1.5 to 0.7 mg l–1 in

August, while NO3
–-N increased from 2.4 to

4.4 mg l–1 in April and 0.4 to 2.3 mg l–1 in August.

Moreover, spatial variation was highly significant

(P < 0.01) between the sampling points in reed

belt. Figure 2 shows that reed belt fringe effects

on open water extend to 20 m, while between 50

and 100 m offshore, inorganic nitrogen concen-

trations change little. In the non-growing season,

the spatial variation trend was similar to that in

the growing season, but with a gentler gradient.

From surface water in reed belt to subsurface

water in supralittoral zone, each nitrogen form

decreases in concentrations, except NH4
+-N in the

growing season (Table 1). One-way ANOVA

showed significant difference between reed belt

and open water in the growing season (P < 0.01)

but not in the non-growing season. At Site B,

inorganic nitrogen concentrations in the shore

were similar to those in open water and no

significant variation was detected.
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Spatial distribution of TN and TDN at Site A is

shown in Fig. 3. TDN in reed belt varied little,

and concentrations were similar to those in open

water. Only at Station A9 at 10 cm water depth,

TN concentrations increased from 12 to 28 mg l–1

and 4 to 54 mg l–1 in February and August,

respectively. TN and TDN in the shore and open

water was homogeneous at Site B.

Temporal variation of inorganic and total

nitrogen

Temporal variations of NH4
+-N, NO3

–-N and NO2
–-

N in various zones are given in Fig. 4. Every form

of nitrogen showed noticeable variation trend.

NH4
+-N concentration maxima (3.2–5.2 mg l–1)

occurred in January, with temperature rise and

increasing biological activities and NH4
+-N con-

centrations decreased to 0.3–0.9 mg l–1 in Sep-

tember. NO3
–-N concentrations reached highest

values (2.9–4.8 mg l–1) in March, with a ‘‘lag’’ of

about 2 months, and the minimum value occurred

in August. Temporal variation of NO2
–-N concen-

trations showed peak values (1.4 and 0.7 mg l–1) in

May and September, respectively.

TN can be categorized as two components,

TDN and TPN. There was a similar temporal trend

between open water and bare littoral zones

(Fig. 5). Maxima for TN (14.9–18.8 mg l–1) and

TDN (9.8–11.6 mg l–1) occurred in January while

minima in summer. TPN was highest (4.4–

11.1 mg l–1) in winter and lowest (0.5–1.6 mg l–1)

in spring. However, irregular TN and TPN pat-

terns were observed in the reed-covered littoral

Fig. 2 Spatial variation of nitrate (NO3
–-N, top) and ammonium nitrogen (NH4

+-N, bottom) concentrations (mean ± SD) in
the reed-covered littoral zone (A) on two occasions

Table 1 The nitrogen
forms in surface water of
reed belt and subsurface
water of supralittoral
zone, n = 36

Parameters (mg l–1) Growing season (mean ± SD) Non-growing season (mean ± SD)

Surface water Subsurface water Surface water Subsurface water

NH4
+-N 0.37 ± 0.26 0.40 ± 0.24 3.37 ± 0.37 1.23 ± 0.81

NO3
–-N 2.32 ± 0.24 0.52 ± 0.59 2.83 ± 0.21 1.28 ± 0.59

NO2
–-N 0.12 ± 0.14 0.04 ± 0.03 0.22 ± 0.13 0.11 ± 0.15

TN 4.17 ± 1.15 2.62 ± 1.97 17.72 ± 7.82 5.81 ± 2.24
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zone, with peaks in summer and winter, respec-

tively. From July to August, an algal bloom

developed, and algae accumulated in reed belt

(100,000–300,000 lg l–1 chl-a), so there was an

extraordinary peak value (about 30 mg l–1) of

TPN with a positive correlation between TN and

chl-a in summer (r2 = 0.925, P < 0.0001).

Spatial variation of TSN and OM in sediment

In the reed-covered littoral zone, there were

plentiful soft sediments about 30–40 cm in thick-

ness. Most were freshly settled from suspension in

open water where mechanical energy is dampened

by littoral reed stands. These sediments were

dominated by decayed algae rich in nutrients, and

TSN and OM contents in vertical mixed sediment

(0–10 cm) were up to 0.5–0.6% and 7–8%, respec-

tively. TSN and OM contents in vertical mixed

sediment had little spatial variation, however, they

decreased from 0.5–0.6% to 0.1–0.2% and 7–8%

to 2–3% in surface sediment (0–1 cm), respec-

tively from open water to reed belt (Fig. 6).

Discussion

External sources of nitrogen in the littoral

zone

Littoral zone is the interface between terrestrial

and aquatic systems, and its dynamics are influ-

enced by both. External nitrogen sources mainly

come from land and open water, and the contri-

bution from wet precipitation is negligible

(0.18 g m–2 a–1 in the case of Lake Taihu: Qin

et al., 2004). Nitrogen enters littoral zone via

surface runoff and subsurface flow from land.

There were no conspicuous point sources, such as

a factory or village, or non-point pollution sources

in this study. Vegetation covered the littoral zone,

and the rainy season coincided with vegetation

density, where plants dampened the energy of

flowing water and retained most waterborne

materials with little subsequent erosion. How-

ever, there were few long duration rainstorms.

Five surface runoff events were observed, but

overland transport to littoral zone was not

detected. Although some heavy rainstorms may

Fig. 3 Spatial distribution of total nitrogen (TN, top) and total dissolved nitrogen (TDN, bottom) concentrations
(mean ± SD) in the reed-covered littoral zone (A)
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have been missed, we believe they were few. In

this study, overland runoff effects have been

disregarded. Subsurface flow is mostly unidirec-

tional toward aquatic systems across the terres-

trial boundary (Naiman & Décamps, 1997), and

our investigation suggested that few nutrients

came from subsurface flow. TN and NO3
–-N

concentrations in subsurface water were less than

those in the reed belt water column in the

growing and non-growing seasons. Moreover,

NO3
–-N concentrations decreased from the lake-

side to the hill and was lowest in the saturated

area, which indicates (1) subsurface flow can carry

little NO3
–-N to the inundated littoral zone; and

(2) water column NO3
–-N may infiltrate into the

supralittoral zone; and (3) the littoral reed belt

may remove NO3
–-N efficiently from infiltrated

lake water, as found in Lake Baiyangdian (Wang

et al., 2002).

Material retention was high in ecotones or

riparian zones with a sharp decrease in the kinetic

energy of wind or water (Naiman et al., 1989). In

a eutrophic lake, the retentate contained abun-

dant nutrients, which would enrich the riparian

zone (Johnston et al., 1984). In the littoral,

especially where there is a macrophyte cover,

sediments carried by lake currents also may settle.

In our study, there was a distinct difference

between average sedimentation rates at Sites A

and B (250 and 75 g m–2 d–1, respectively). At

Site A, 30–40 cm thick soft sediments contained

0.5–0.6% TSN and 7–8% OM, while at Site B,

there was almost no sediment and bottom gravels

were exposed.

These preliminary investigations indicate that

particulates from open water were the main

nitrogen source to the reed-covered littoral

zone, perhaps over 90% on a rough estimate.

Reed-covered littoral zones may be a sink for

internal TPN sources in the lake if these

enriched areas do not release nitrogen back into

open water.

Fig. 4 Temporal variation of ammonium nitrogen (NH4
+-N), nitrate nitrogen (NO3

–-N), and nitrite nitrogen (NO2
–-N)

concentrations (mean ± SD) in open water, reed belt and bare littoral zone

Hydrobiologia (2007) 581:97–108 103

123



Spatial distribution of several forms

of nitrogen

In the aquatic nitrogen cycle, energy utilization is

more efficient and turnover is more rapid than in

terrestrial systems (Heathwaite, 1993). Riparian

zones may provide ideal conditions for nitrogen

transformations, including ammonification, nitri-

fication and denitrification (Fennessy & Cronk,

1997). Continuous deposition of plant and algae

detritus provides rich carbon sources. Many

studies have shown that ammonification in vege-

tated sediments is higher than in bare sediments

(Herbert, 1999: 570, Table 5). Nitrification and

denitrification in vegetated sediments also may be

high (Christensen & Sørensen, 1986; Ottosen

et al., 1999; Saunders & Kalff, 2001; Matheson

et al., 2002). There is enough oxygen for nitrifi-

cation in surface sediment of shallow vegetated

zones, and denitrification may occur at greater

depths. However, wetland vegetation transports

atmospheric oxygen through the stem, to the root,

and into adjacent soil, which may oxidize the

reduced microzone around the root surface

(Armstrong, 1964; Brix & Schierup, 1990). Two

distinct layers are formed around a root surface

favoring nitrification–denitrification (Reddy &

Patrick, 1984). Trapped sediments provide ammo-

nification sites; nitrification can utilize ammonifi-

cation product in the aerobic water, surface

sediments and root surface; and denitrification

occurs in the underlying sediment, releasing

dinitrogen or nitrous oxide. These processes

occur simultaneously and are controlled, in part,

by NH4
+-N and NO3

–-N in the reed-covered littoral

zone.

In the present study, there were opposite

trends in NH4
+-N and NO3

–-N dynamics in the

reed covered littoral zone. NH4
+-N concentrations

decreased and NO3
–-N increased. In addition,

other biotic factors influenced inorganic nitrogen

concentrations, such as algal uptake and zoo-

plankton and zoobenthos excretion. Moreover,

NH4
+-N is taken up by cyanobacteria more rapidly

than NO3
–-N or NO2

–-N. Algae biomass in reed

belt was not always higher than in open water,

while the NH4
+-N concentration gradient existed

at all times, especially in the growing season.

These results implied that nitrification was more

intensive than ammonification, and nitrification

(a)

(b)

(c)

Fig. 5 Temporal variation of total dissolved nitrogen (TDN) and total particle nitrogen (TPN) in open water (a), reed belt
(b), and bare littoral zone (c)
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exceeded denitrification. Our data are inadequate

to explain the transformations, and further biotic

research is needed.

Inorganic nitrogen forms variations showed

that the plant-covered littoral zone is a strong

transformer of nutrients. TN and TDN in water

column, combined with TSN and OM in surface

sediment, provide clues about their fates. Spatial

variation of TN concentrations in reed belt varied

but generally was higher than, and sometimes

equal to, that in open water, while TDN concen-

trations showed little spatial variation. The dif-

ference between TN and TDN suggested that

particulate nitrogen dominated the spatial varia-

tion of TN. In summer, chl-a concentrations

(100,000–300,000 lg l–1) in reed belt were 500–

1,000 times higher than those in open water.

Second, there was no or inconspicuous secondary

nitrogen release into open water from the littoral

zone. Furthermore, periodic high concentrations

of particulate nitrogen indicate that these parti-

cles mainly come from open water by intermittent

wind forcing.

Denitrification is a key process of nitrogen

removal from aquatic systems (Fennessy &

Cronk, 1997; Martina et al., 1999). Spatial varia-

tion of inorganic nitrogen suggested that it was

not intensive in the present study. To verify this,

we investigated surface sediment (0–1 cm) and

found an interesting phenomenon. TSN and OM

contents in surface sediment showed synchronous

spatial variation with both decreasing from open

water to reed belt. The decrease indicates that

nitrogen in settling sediment is lost in reed belt

via release or denitrification. Because the dis-

solved nitrogen bulk in littoral zone was similar to

that in open water, we deduced that nitrogen

decrease in surface sediment was removed by

denitrification. The sediment results further dem-

onstrated that the reed-covered littoral zone

could act as nitrogen sink of the lake, which

played a vital role in removing internal nutrients.

Fig. 6 Spatial variation of total soil nitrogen (TSN) and organic matter (OM) contents (mean ± SD) in surface soft
sediment in the reed-covered littoral zone (A)
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Compared with the reed-covered littoral zone,

spatial variation of nitrogen in bare zone was

similar to that in open water. Lacking macro-

phytes, littoral zone erodes and particulates do

not settle, so nutrients are not stored, and many

biotic activities and biogeochemical cycles are

limited. Altered physical conditions, when ripar-

ian zone is damaged, may result in loss of function

(Fennessy & Cronk, 1997).

Temporal variation of inorganic nitrogen

and TN

Littoral zone is often a small part of the aquatic

system, and temporal variation of dissolved

nitrogen fractions are controlled by variations in

open water. TN and NH4
+-N concentrations show

winter maxima. These winter maxima possibly

arise from (1) around lake, surface and subsurface

catchment inputs are high in the non-growing

season; (2) nutrients are concentrated in lower

water levels; and (3) microbial activity is low due

to low temperatures. NO3
–-N produced by nitrifi-

cation, reaches peak value in spring often after a

lag, since nitrification is sensitive to temperature.

Below 15�C, nitrification rates decrease (Focht &

Verstraete, 1977). In our study, TPN mainly came

from suspended sediment and algae, and there

were two maxima in reed belt (algae in summer,

resuspended sediment in winter). While, in open

water and bare zones, only one maxima in winter

from suspended sediment was observed (Zhang

et al., 2004).

Conclusions

Spatio-temporal distributions of different nitro-

gen forms were interpreted along gradients from

open water to lakeshore in undulating littoral

zones. In our two study zones, direct terrestrial

nutrients accounted for little of the input, whereas

more than 90% came from open water as resus-

pended sediments and algae. Between bare zone

and reed-covered littoral zone, there were signif-

icant differences in hydrochemistry and physical

conditions. The bare zone without soft sediment

was almost homogeneous with open water, while

the reed-covered littoral zone had abundant soft

sediments and displayed spatial variations of

inorganic nitrogen concentrations in water

column. By comparison of spatial distribution of

nitrogen in reed belt, the results showed that (1)

nitrification was a key process controlling the

nitrogen cycle in the reed-covered littoral zone,

and most ammonification production was trans-

formed in to nitrate; (2) little of the nitrogen

enrichment to reed belt was released back into

open water; (3) nitrification provided adequate

nitrogen for denitrification; and (4) the reed-

covered littoral zone was an important nitrogen

sink. TSN and OM contents in surface sediments

decreased from open water to reed belt. Denitri-

fication appears to be significant in reed belt and

most released nitrogen from sediments are

removed, which further suggests that the reed

covered littoral zone is a nitrogen sink and a self-

balancing system.
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Présing, M., S. Herodek, T. Preston & L. Voros, 2001.
Nitrogen uptake and the importance of internal
nitrogen loading in Lake Balaton. Freshwater Biology
46: 125–139.

Pu, P. M. & W. P. Hu, 1996. Key strategies for controlling
eutrophication of large shallow lakes in China. In 28th
International Geographical Congress, Utrecht.

Qin, B. Q., W. P. Hu & W. M. Chen, 2004. Process and
mechanism of environmental changes of the Taihu
Lake. Science Press, Beijing.

Reddy, K. R. & W. H. Patrick, 1984. Nitrogen transfor-
mations and loss in flooded soils and sediments.
CRC Critical Reviews in Environmental Control 13:
273–309.

Sager, P. E., S. Richman & H. J. Harris, 1985. Preliminary
observations on the flux of carbon, nitrogen, and
phosphorus in a Great Lakes coastal marsh. In Prince,
H. H. & F. M. D’Itri (eds), Coastal Wetlands. Lewis
Publishers, Inc., Chelsea, MI: 59–65.

Saunders, D. L. & J. Kalff, 2001. Denitrification rates in
the sediments of Lake Memphremagog, Canada-
USA. Water Research 35: 1897–1904.

Threlkeld, S. T., 1994. Benthic-pelagic interactions in
shallow water columns: an experimentalist’s perspec-
tive. Hydrobiologia 275/276: 293–300.

van der Valk, A. G., C. B. Davis, J. L. Baker & C. E. Beer,
1978. Natural fresh water wetlands as nitrogen and
phosphorus traps for land runoff. In Greeson, P. E., J.
R. Clark & J. E. Clark (eds), Wetland Functions and
Values: The State of our Understanding. Proceeding
of National Symposium on Wetlands, Lake Buena
Vista, FL. American Water Resources Association,
Minneapolis, MN: 457–467.

Wahbah, M. I. & M. B. Zughul, 2001. Temporal distribu-
tion of chlorophyll a, suspended matter, and the
vertical flux of particles in Aqaba (Jordan). Hydrobi-
ologia 459: 147–156.

Wang, W. D., D. L. Wang & C. Q. Yin, 2002. A field study
on the hydrochemistry of land/inland water ecotones
with reed domination. Acta Hydrochimica et Hydro-
biologica 30: 117–127.

Watts, L. J., T. P. Rippeth & A. Edwards, 1998. The roles
of hydrographic and biogeochemical processes in the
distribution of dissolved inorganic nutrients in a
cottish Sea-loch: consequences for the spring phyto-
plankton bloom. Estuarine, Coastal and Shelf Science
46: 39–50.

Hydrobiologia (2007) 581:97–108 107

123



Xu, F. L., S. Tao, R. W. Dawson & Z. R. Xu, 2003. The
distributions and effects of nutrients in the sediments
of a shallow eutrophic Chinese lake. Hydrobiologia
429: 85–93.

Yin, C. Q. & Z. W. Lan, 1995. The nutrient retention by
ecotone wetlands and their modification for Baiyang-
dian Lake restoration. Water Science and Technology
32: 159–167.

Zhang, Y. L., B. Q. Qin, W. M. Chen & L. C. Luo, 2004. A
study on total suspended matter in Tai Lake.
Resources and Environment in the Yangtze Basin
(in Chinese) 13: 266–271.

Zhu, W. X. & M. M. Carreiro, 2004. Temporal and spatial
variations in nitrogen transformations in deciduous
forest ecosystems along an urban–rural gradient. Soil
Biology & Biochemistry 36: 267–278.

108 Hydrobiologia (2007) 581:97–108

123



EUTROPHICATION IN LAKES

Variations in kinetics of alkaline phosphatase in sediments
of eutrophic, shallow, Chinese lakes
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Abstract Kinetics of alkaline phosphatase in

sediments of a shallow Chinese freshwater lake

(Lake Donghu) were investigated. Spatially,

among 20 sites sampled, Vmax and Km values of

alkaline phosphatase in surface sediments were

higher in the zone adjacent to sites with the

highest chlorophyll a concentrations. Vertically,

there was a peak in Vmax at intermediate sedi-

ment depths in addition to the expected maxi-

mum at the surface. Some inhibitors, such as

CuSO4, ZnSO4 and Na2WO4, showed signifi-

cantly different effects on kinetics of alkaline

phosphatase in interstitial water and sediments.

Moreover, alkaline phosphatase in interstitial

water and sediments responded to Na2WO4 in

different ways in Lake Taihu. These observations

imply that the enzyme is immobilized in sedi-

ments, which became more stable with acceler-

ated eutrophication, as suggested by highest

alkaline phosphatase activity (APA) in sediments

corresponding with highest water column chloro-

phyll a concentrations in Lake Donghu.

Keywords Alkaline phosphatase � Kinetics �
Sediment � Eutrophication � Inhibitions �
Immobilization

Introduction

Phosphorus often limits phytoplankton growth in

freshwater systems, while organic phosphorus

may account for larger part of phosphorus in

lake sediments. For example, in a eutrophic lake

(Lake Alserio, northern Italy), the results of the

sedimentary phosphate fractionation showed that

the most important P fraction was an organic

fraction, and a digestion of the supernatant of the

P-fraction bound to CaCO3 allowed the detection

of a large pool of org-P (Vicente et al., 2006).

Therefore, regeneration of organic P in sediments

is emphasized in aquatic ecology research. The

phosphatase has been studied in relation to

organic phosphorus decomposition in aquatic

ecosystems (reviewed by Jansson et al., 1988).

The relationship between alkaline phosphatase

and substrate is of ecological interest because of

implications for phosphorus cycling. However,

most attempts to determine phosphatase in sed-

iments have focused on activity. Kinetics of
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phosphatase in sediments were influenced by

discharge rate, water quality, concentration of

dissolved orthophosphate and substratum in

stream sediments (Marxsen & Schmidt, 1993),

submerged macrophytes (Zhou et al., 2000) and P

status in lake sediments (Zhou et al., 2001, 2002).

Data on spatial and vertical variations in kinetics

and properties of alkaline phosphatase in sedi-

ments are limited.

In this paper, alkaline phosphatase kinetics and

its response to various inhibitors in a shallow

freshwater lake (Lake Donghu) in China were

described. The aims of the work were to establish

whether enzyme regimes in sediments (1) were

unique for the whole lake and depth, (2) shared a

similarity in kinetic behavior with interstitial

water, and (3) were related to trophic status in

the lake.

Materials and methods

The experimental Lakes (Lake Donghu and Lake

Taihu) are described elsewhere (Zhou et al.,

2002; Qin et al., 2006). To evaluate the trophic

state in Lake Donghu on an annual basis, surface

water was collected monthly from sites 1, 12 and

21 (Fig. 1), from February 1997 through January

1999. To determine spatial variation of alkaline

phosphatase kinetics, 20 sites were sampled in the

largest basin (Fig. 1) in May 1995. Three sites in

Lake Taihu were sampled in December 2004 to

assay alkaline phosphatase activity (APA) in

surface sediments. In May 1997, vertical samples

were taken at five sites in Lake Donghu with Site

1 at the center and others (1A, 1B, 1C and 1D)

located approximately 100 m away (Fig. 1).

For spatial profiles, sediments were sampled by

Peterson dredge. Sediment columns were ob-

tained using a hand-driven stainless steel corer

50 cm long with an internal diameter of 3.5 cm.

For depth profiles, columns were sliced at 4 cm

intervals. Samples were transferred to the labo-

ratory for analysis. Interstitial water was ex-

tracted by centrifugation at 3,000 rpm for 30 min.

Total chlorophyll a was measured by acetone

extraction. Lake surface water samples (0.4–0.7 l)

were filtered through a Whatman GF/C filter and

absorbance measured at 663 and 750 nm in 1-cm

path-length glass cuvettes after overnight extrac-

tion in acetone (90% v/v) (Golterman & Clymo,

1969).

APA assays used p-nitro-phenylphosphate

(pNPP), which is hydrolyzed at 37�C by alkaline

phosphatase to yield p-nitrophenol; with this

system, enzyme activity is indicated by an increase

in light absorbance (Sayler et al., 1979). Sediment

samples were slurried in Tris buffer (pH 8.9).

pNPP was added to slurries at eight final concen-

trations ranging from 0.05 mmol l–1 to 10 mmol l–

1. Samples were incubated at 37�C. After 1 h,

1.6 ml of slurry were centrifuged at 3,000 rpm.

One ml of the supernatant was mixed with 4 ml

0.1 M NaOH to stop the reaction. Absorption of

the final solution was measured at 400 nm. pNPP

was added to reagent blanks after NaOH addition.

APA was converted to absolute units using a

standard curve based on enzymatically hydrolyzed

p-nitrophenol.Vmax andKm values were estimated

by fitting linearized Michaelis–Menten equations

per the Lineweave–Burk plot. APA in surface

sediments was determined with a final substrate

concentration of 6.0 mmol l–1.

Kinetics of total APA in interstitial water was

determined using a method adapted from Berman

(1970). Substrate was added at eight final con-

centrations ranging from 0.01 mmol l–1 to

1.8 mmol l–1. APA in interstitial water was deter-

mined with a final substrate concentration of

0.3 mmol l–1. All samples were run in triplicate.

Several inhibitors were added to sediments

and interstitial water. Final concentrations of
Fig. 1 The map of Lake Donghu, showing the location of
the sampling sites
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inhibitors are described in results tables. Fisher’s

least significant difference (LSD) test and inde-

pendent-samples T test were used to make

comparisons among treatment levels for the

inhibitor addition, using the SPSS statistical

package.

Results

Seasonally, chlorophyll a concentration in surface

water was highest at Site 1 (Fig. 2). APA kinetics

in sediments exhibited spatial heterogeneity

(Table 1). Higher Vmax values were found at

Sites 2, 6, 9, 10 and 12, which are adjacent to Site

1. However, in the northeastern zone represented

by Sites 14, 15 and 19, both Vmax and Km values

were markedly lower.

There were variations in vertical distribution of

APA kinetics at different sites (Fig. 3). At Sites

1B and 1D, Vmax decreased with depth, while, at

Sites 1A, 1, and 1C, there was a peak in the

middle layers. At the same time, highest values

for Km were observed in the surface sediment at

Sites 1B, 1C, and 1D, and in the middle layers at

Sites 1A and 1.

Responses of APA kinetic parameters in sed-

iments and interstitial water to various inhibitors

were examined (Table 2). In sediments, Vmax

decreased significantly with Cu2+ concentration

(p < 0.01), while in interstitial water, it signifi-

cantly increased (p < 0.01). It also increased

markedly (p < 0.01) with tungstate concentration

in interstitial water. With Zn2+ added, Vmax

increased significantly in sediments (p < 0.01)

but decreased at higher concentration in intersti-

tial water (p < 0.01).

Responses of Km values were also variable in

both sediments and interstitial water. In sedi-

ments, it decreased significantly with lower Cu2+

concentration but increased with higher concen-

month
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Fig. 2 Seasonal variation
in chlorophyll a
concentrations in surface
water at three
experimental stations in
Lake Donghu

Table 1 The kinetic parameters of alkaline phosphatase
in the sediments of Lake Donghu

Sampling sites Vmax (SD)
(lmol G–1 H–1)

Km (SD)
(mmol l–1)

1 147.0 (2.0) 0.32 (0.02)
2 557.3 (50.6) 3.18 (0.09)
3 208.1 (1.0) 0.56 (0.04)
4 139.7 (8.1) 0.66 (0.02)
5 62.5 (3.1) 0.81 (0.04)
6 424.3 (24.3) 3.74 (0.67)
7 258.9 (49.5) 3.38 (0.27)
8 143.4 (21.4) 0.80 (0.12)
9 458.3 (11.64) 1.39 (0.04)
10 305.6 (30.0) 1.03 (0.23)
11 74.4 (1.8) 0.47 (0.03)
12 293.4 (27.7) 0.61 (0.07)
13 133.2 (12.8) 0.77 (0.16)
14 64.5 (17.6) 0.33 (0.08)
15 68.6 (6.6) 0.28 (0.06)
16 109.6 (3.8) 2.19 (0.16)
17 141.8 (31.8) 0.69 (0.09)
18 144.3 (21.8) 2.67 (0.56)
19 94.6 (8.4) 0.74 (0.05)
20 169.4 (17.0) 1.00 (0.12)
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tration (p < 0.01). It also decreased significantly

at lower tungstate concentration (p < 0.05) but

increased significantly at higher concentration

(p < 0.01) in sediments. While in interstitial

water, it significantly decreased with tungstate

concentrations (p < 0.01). With Zn2+ added, Km

significantly increased at lower concentration in

sediments (p < 0.05), whereas in interstitial

water, it greatly increased at higher concentration

(p < 0.01).

In Lake Taihu, tungstate inhibited APA in

sediment at Site T1 (p < 0.01) and interstitial

water at Sites T1 and T3 (p < 0.01) at higher

concentration. At Site T2, it stimulated APA in

sediments at higher concentration, but inhibited

APA in interstitial water at both concentrations

(p < 0.01, Table 3).

Discussion

At Site 1, chlorophyll a in surface water was

highest among experimental stations from 1997 to

1999 (Fig. 2), a situation commonly recorded in

Fig. 3 Vertical distribution of Vmax and Km values of alkaline phosphatase activity (APA) in core sediments of Lake
Donghu. Samples were taken on 12 May 1997
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the lake (Zhou et al., 2002, 2004). Higher Vmax

and Km values of APA in surface sediments were

found at sites adjacent to Site 1, while, in the

northeast, both were lower (Table 1). Significant

inter-station variation in APA was observed in

sediments of the Mandovi Estuary (Silva &

Bhosle, 1990). Distinct areas of phosphatase

activity also were seen in the Venice lagoon

(Sabil et al., 1994). Variability of phosphatase

activity in freshwater sediments may be related to

heterogeneity within a site (Sayler et al., 1979).

At sites along a eutrophication gradient in Nord-

ruegensche Bodden (Baltic Sea, Germany), water

column measurements revealed that turbidity,

seston content, and chlorophyll a and inorganic

nutrient concentrations increased from outer to

inner parts of the Bodden. Sediment investiga-

tions confirmed this eutrophication gradient.

Generally, hydrolytic enzyme activities increased

with eutrophication (Koester et al., 1997). In

Lake Donghu, the Vmax values in sediment

increased during the summer, in conjunction with

lower Km values in interstitial water that suggests

a higher affinity for the substrate. The accumula-

tion of organic matter in the sediment could be

traced back to the breakdown of the algal bloom,

which may stimulate APA with higher kinetic

efficiency, by a combination of the higher Vmax in

sediments plus lower Km values in interstitial

water, in summer (Zhou et al., 2002). Our results

highlight the connection of the kinetics of APA in

sediments with phytoplankton abundance in sur-

face water, indicating the induction of enzyme by

organic matter.

The Vmax of alkaline phosphatase was highest

at the sediment surface (Sites 1B and 1D, Fig. 3).

APA also was highest at the surface of marine

(Kobori & Taga, 1979) and lake sediments (Sinke

et al., 1991). In three lakes in Finland, the eleven

hydrolytic enzyme activities were high into deep

Table 2 Effects of some inhibitors of alkaline phosphatase on kinetics of alkaline phosphatase activity (APA) in the surface
sediments and the interstitial water in Lake Donghu

Sampling time Inhibitors Concentration
(mmol l–1)

Surface sediments Interstitial water

Vmax (SD)
(lmol G–1 H–1)

Km (SD)
(mmol l–1)

Vmax (SD)
(nmol l–1 min–1)

Km (SD)
(lmol l–1)

15 March, 1996 CuSO4 0 157.5 (21.5) 3.25 (0.15) 51.9 (0.7) 4.11 (0.21)
0.2 65.4 (6.6) 0.30 (0.06) 54.9 (0.5) 4.22 (0.29)
2.0 52.5 (0.3) 4.78 (0.25) 105.5 (1.0) 1.65 (0.12)
0 82.5 (0.8) 0.51 (0.02) 53.2 (0.9) 3.43 (0.23)

29 March, 1996 Na2WO4 0.05 90.8 (3.4) 0.40 (0.01) 67.9 (0.5) 1.81 (0.21)
0.1 127.0 (37.7) 0.68 (0.02) 69 (0.5) 1.63 (0.11)
0 143.7 (18.2) 0.54 (0.20) 46.7 (0.4) 1.59 (0.16)

8 February, 1996 ZnSO4 0.2 291.9 (8.7) 1.07 (0.06) 44.6(0.6) 1.70 (0.10)
2.0 287.4 (2.6) 0.48 (0.14) 38.6(0.2) 2.13 (0.08)

Table 3 Effects of
tungsten on alkaline
phosphatase activity
(APA) in the surface
sediments and interstitial
water in Lake Taihu
(Samples were taken on
14 December, 2004)

Sampling sites Tungstate
concentrations
(mmol l–1)

APA in surface
sediments (SD)
(lmol G–1 H–1)

APA in interstitial water
(SD) (nmol l–1 min–1)

T1 0 428.5 (6.0) 42.6 (1.5)
(31�32¢4.6¢¢ N,
120�13¢22.6¢¢ E)

0.16 157.0 (14.9) 35.2 (0.3)

T2 0 137.8 (16.3) 48.4 (1.0)
(31�32¢1.7¢¢ N,
120�13¢18.7¢¢ E)

0.08 144.3 (7.1) 39.8 (1.1)
0.16 309.2 (20.5) 35.9 (1.5)

T3 0 483.1 (53.5) 49.31(1.2)
(31�31¢45.5¢¢ N,
120�13¢42.8¢¢ E)

0.16 163.9 (13.4) 39.9 (0.6)
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sediment layers indicating potential for turnover

of organic matter in the permanently anoxic

zones (Hakulinen et al., 2005). In the present

study, there was a peak in the middle layers (Sites

1A, 1, and 1C, Fig. 3), showing an additional

dimension for the degradation of organic matter

mediated by alkaline phosphatase in lake sedi-

ments.

Spatial and vertical variations in Vmax and Km

values of APA in sediments were similar

(Table 1; Fig. 2). This may be interpreted with

reference to organic matter and orthophosphate

enrichment. At first, organic matter may stimu-

late Vmax of APA in sediments. Surface sediment

profiles were taken from the deepest part of six

central Finnish lakes representing six different

trophic states, and each profile was divided into

three layers. Phosphatase activity and levels of

organic substances were highest in the top layer

of every sediment profile. Microbiological phos-

phate mineralization from organic substances

may determine the internal phosphorus load in

these lakes (Matinvesi & Heinonen-Tanski,

1992). In fish pond, inorganic phosphate added

to the sediment scarcely restricted phosphatase

activity. At the same time the enrichment with

organic phosphorus compounds highly raised

enzyme activity (Olah & Toth, 1978). In marsh

sediments, the Vmax of acid phosphatase followed

the same trend as in situ activity. Sediment

salinity and pH were negatively correlated with

the enzyme activity, while soil organic matter

content, clay content and sediment organic P

were positively correlated (Huang & Morris,

2005). In tidal freshwater habitats adjacent to

the Cooper River, acid phosphatase activity was

highly correlated with the organic matter content

of the sediment. The Vmax of all phosphatases

increased along the successional gradient. Trends

in phosphatase activity and Vmax correlated pos-

itively with plant biomass and negatively with

concentrations of soluble reactive phosphorus in

porewater, sediment extractable phosphorus, and

total phosphorus (Huang & Morris, 2003); Sec-

ondly, organic matter may alter Km of APA in

sediments. Alkaline phosphatase kinetics in sed-

iment associated with cage culture of Oreochr-

omis niloticus was studied near Site 1 in Lake

Donghu. Both Vmax and Km increased with the

addition of fish feces (Zhou et al., 2001).

A possible explanation is that humic substances

would adsorb the substrates of enzymes. In the

consecutive sapropel layers collected from bath-

yal sediments of the eastern Mediterranean Sea,

the determination of exoenzyme activity with

fluorescently labeled substrate analogues was

impaired by the strong adsorption of up to 97%

of the enzymatically liberated fluorophores to the

sediment particles. High activities of aminopepti-

dase and alkaline phosphatase were detected

even in a 124,000-year-old sapropel layer,

whereas the activity of b-glucosidase was low in

all layers. It had been assumed that the organic

matter which constitutes the sapropels is highly

refractory. Since a high adsorption capacity was

determined not only for the low-molecular-weight

compounds but also for DNA, the extraordinarily

strong adsorption of structurally different sub-

strates to the sapropel matrix appears to be the

major reason for the long-term preservation of

biodegradable carbon in this environment (Coo-

len & Overmann, 2000). This strong adsorption

would weaken the affinity of substrates for

enzymes, leading to increase in apparent Km

values. In addition, orthophosphate may be a

competitive inhibitor for alkaline phosphatase,

causing a significant increase in Km values.

Spatially, orthophosphate concentrations in inter-

stitial water were highest at Site 1 among exper-

imental stations in Lake Donghu in 1995 to 1996

(Zhou et al., 2002), it could act as a competitive

inhibitor of extracellular phosphatase in lake

(Chrost & Overbeck, 1987).

Alkaline phosphatase in sediments showed

different responses to various inhibitors from

those observed in interstitial water. For exam-

ple, in interstitial water of lake Donghu, Vmax

increased with copper sulphate addition at both

lower (p < 0.05) and higher (p < 0.01) concen-

trations (Table 2). Increased phosphatase activ-

ities were noted in green algae isolated from

Lake Kinneret and pretreated with intermediary

Cu2+ concentrations (Wynne & Pieterse, 2000).

However, the enzyme was inhibited by zinc at

higher concentration (p < 0.01, Table 2). Zhang

et al. (2001) studied the kinetics of inactivation

of alkaline phosphatase from green crab by zinc

ions. The enzyme reversibly and quickly bound
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Zn2+ and then underwent a slow, reversible

inactivation and slow conformational change. In

sediments, Vmax and Km decreased with Cu2+ at

lower concentration (p < 0.01, Table 2). Accord-

ingly, APA was affected by Cu2+ in soil

polluted by heavy metals (Kuperman & Carri-

ero, 1997; Kunito et al., 2001). The influence of

Cu2+ and Zn on the activity and kinetics of acid

phosphatase immobilized by two soil clays,

kaolin or goethite, indicated that Cu decreased

Vmax of the enzymes, but increased affinity of

the enzymes for the substrate (Huang & Shindo,

2001). In this context, alkaline phosphatase in

sediment and interstitial water showed different

kinetics with different inhibitors, implying en-

zyme immobilization in sediment. Concurrently,

various inhibition patterns by Zn were observed

for free and immobilized acid phosphatase at

different pH values, likely related to the degree

of deactivation by Zn (Huang & Shindo, 2000).

In soils, kinetics of the immobilized enzyme

conformed to Michaelis–Menten, and Vmax was

lower and Km higher than those of the free

enzyme (Rao & Gianfreda, 2000). Immobilized

enzymes were more resistant to environmental

changes compared to their soluble counterparts

(Sabil et al., 1993). In Venice lagoon sediments

within a shallow water area, phosphatase activ-

ity was prolonged by its insolubility (Sabil et al.,

1994).

Shortly, there is a correlation between higher

sediment APA in term of kinetics and chlorophyll

a concentration in water of Lake Donghu. The

kinetic properties of phosphatase and their dis-

tributions in sediments were linked to the process

of lake eutrophication, which might become more

stable upon immobilization in sediments with

accelerated eutrophication.

Acknowledgements This work was supported by the
grant (KZCX1-SW-12-II-02-02) from the Chinese
Academy of Sciences (CAS), National Basic Research
Program of China (2002CB412300) and funding from the
National Science Foundation of China (39170165,
39670149 and 20177033). We also obliged to the funds
(2002AA601013). The authors also gratefully acknowledge
the support of the Donghu Lake Ecosystem Experimental
Station of CAS for the help in sampling collection.

References

Berman, T., 1970. Alkaline phosphatase and phosphorus
availability in Lake Kinneret. Limnology and Ocean-
ography 15: 663–674.

Chrost, R. J. & J. Overbeck, 1987. Kinetics of alkaline
phosphatase activity and phosphorus availability for
phytoplankton and bacterioplankton in Lake Plusssee
(North German eutrophic lake). Microbial Ecology,
New York, NY 13(3): 229–248.

Coolen, M. J. & J. Overmann, 2000. Functional exoen-
zymes as indicators of metabolically active bacteria in
124,000-year-old sapropel layers of the eastern Med-
iterranean Sea. Applied and Environmental Microbi-
ology 66(6): 2589–2598.

de Vicente, I., K. Cattaneo, L. Cruz-Pizarro, A. Brauer &
P. Guilizzoni, 2006. Sedimentary phosphate fractions
related to calcite precipitation in an eutrophic hard-
water lake (Lake Alserio, northern Italy). Journal of
Paleolimnology 35: 55–64.

Golterman, H. L. & R. S. Clymo, 1969. Method for
chemical analysis of fresh water. In IBP Handbook
No. 8. Blackwell Sci. Publ., Oxford, 1–188.

Hakulinen, R., M. A. Kahkonen & M. Salkinoja-Salonen,
2005. Vertical distribution of sediment enzyme activ-
ities involved in the cycling of carbon, nitrogen,
phosphorus and sulphur in three boreal rural lakes.
Water Research 39: 2319–2326.

Huang, Q. & H. Shindo, 2001. Comparison of the influence
of Cu, Zn, and Cd on the activity and kinetics of free
and immobilized acid phosphatase. Soil Science and
Plant Nutrition 47: 767–772.

Huang, Q. & H. Shindo, 2000. Inhibition of free and
immobilized acid phosphatase by zinc. Soil Science
165: 793–802.

Huang, X. & J. T. Morris, 2003. Trends in phosphatase
activity along a successional gradient of tidal fresh-
water marshes on the cooper river, South Carolina.
Estuaries 26(5): 1281–1290.

Huang, X. & J. T. Morris, 2005. Distribution of phosphatase
activity in marsh sediments along an estuarine salinity
gradient. Marine Ecology Progress Series 292: 75–83.

Jansson, M., H. Olsson & K. Pettersson, 1988. Phospha-
tases; origin, characteristics and function in lakes.
Hydrobiologia 170: 157–175.

Kobori, H. & N. Taga, 1979. Occurrence and distribution
of phosphatase in neritic and oceanic sediments.
Deep-Sea Research 26A: 799–808.

Koester, M., S. Dahlke & L.-A. Meyer-Reil, 1997. Micro-
biological studies along a gradient of eutrophication
in a shallow coastal inlet in the southern Baltic Sea
(Nordruegensche Bodden). Marine Ecology Progress
Series 152: 27–39.

Kunito, T., K. Saeki, S. Goto, H. Hayashi, H. Oyaizu & S.
Matsumoto, 2001. Copper and zinc fractions affecting
microorganisms in long-term sludge-amended soils.
Bioresource Technology 79: 135–146.

Hydrobiologia (2007) 581:109–116 115

123



Kuperman, R. G. & M. Carriero, 1997. Soil heavy metal
concentrations, microbial biomass and enzyme activ-
ities in a contaminated grassland ecosystem. Soil
Biology and Biochemistry 29: 179–190.

Marxsen, J. & H.-H. Schmidt, 1993. Extracellular
phosphatase activity in sediments of the Breitenbach,
a Central European mountain stream. Hydrobiologia
253: 207–216.

Matinvesi, J. & H. Heinonen-Tanski, 1992. Biodegradable
substances in lake sediments and their relation to
sediment microbiological activity and phosphorus
recycling. Aqua Fennica 22: 193–200.

Olah, J. & E. O. Toth, 1978. The function of alkaline
phosphatase enzyme in the phosphorus cycle of
fertilized fishponds. Aquacult Hung 1: 15–23.

Qin, B., P. Xu, Q. Wu, L. Luo & Y. Zhang, 2006.
Environmental issues of Lake Taihu, China. Hydro-
biologia.

Rao, M. A. & L. Gianfreda, 2000. Properties of acid
phosphatase-tannic acid complexes formed in the
presence of Fe and Mn. Soil Biology and Biochem-
istry 32: 1921–1926.

Sabil, N., A. Cherri, D. Tagliapietra & M.-A. Coletti-
previero, 1994. Immobilized enzymic activity in the
Venice Lagoon sediment. Water Research 28: 77–
84.

Sabil, N., D. Tagliapietra & M.-A. Coletti-Previero, 1993.
Insoluble biodegradative potential of the Venice
Lagoon. Environmental Technology 14: 1089–1095.

Sayler, G., S. M. Puziss & M. Silver, 1979. Alkaline
phosphatase assay for freshwater sediments: Applica-
tion to perturbed sediment system. Applied and
Environmental Microbiology 38: 922–927.

Silva, C. D. & N. B. Bhosle, 1990. Phosphorus availability
and phosphatase activity in the sediments of Mandovi
estuary, Goa. Indian Journal of Marine Sciences 19:
143–144.

Sinke, A. J. C., A. A. Cornelese & T. E. Cappenberg, 1991.
Phosphatase activity in sediments of the Loosdrecht
lakes. Internationale Vereinigung für Theoretische
und Angewandte Limnologie 24: 719–721.

Wynne, D. & A. J. H. Pieterse, 2000. The effect of copper
on photosynthesis, nitrate reductase and phosphatase
activities in Lake Kinneret phytoplankton. Limnology
and Lake Management 55: 581–593.

Zhang, R. Q., Q. X. Chen, R. Xiao, L. P. Xie, X. G. Zeng
& H. M. Zhou, 2001. Inhibition kinetics of green crab
(Scylla serrata) alkaline phosphatase by zinc ions:
A new type of complexing inhibition. Biochimica et
Biophysica Acta 1545: 6–12.

Zhou, Y., J. Li & Y. Fu, 2000. Effects of submerged
macrophytes on kinetics of alkaline phosphatase in
Lake Donghu. I. Unfiltered water and sediments.
Water Research 34: 3737–3742.

Zhou, Y., J. Li, Y. Fu & M. Zhang, 2001. Kinetics of
alkaline phosphatase in lake sediment associated with
cage-culture of Oceochrolmis miloticus. Aquaculture
203: 23–32.

Zhou, Y., J. Li, Y. Fu & M. Zhang, 2002. Temporal and
spatial variations in kinetics of alkaline phosphatase
in sediments of a shallow Chinese eutrophic lake
(Lake Donghu). Water Research 36: 2084–2090.

Zhou, Y., J. Li, C. Song & X. Cao, 2004. Variations and
possible source of potentially available phosphorus in
a Chinese shallow eutrophic lake. Journal of Fresh-
water Ecology 19: 87–96.

116 Hydrobiologia (2007) 581:109–116

123



EUTROPHICATION IN LAKES

Environmental changes in Lake Taihu during the past
century as recorded in sediment cores
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Abstract The Lake Taihu drainage basin is an

economically developed area with some of the

highest population densities in China. The lake

has deteriorated due to ecological destruction and

eutrophication. Three short sediment cores from

eastern, northeastern and southwestern Lake

Taihu were collected. Total organic carbon

(TOC), total nitrogen (TN), pigments, elements

and particle size were analyzed for the purpose of

understanding past trophic status and pollution

levels. Sedimentation rates were based on 137Cs

or 210Pb methods. Results indicated that sediment

particle size became coarser since the 1920s, and

the lake was contaminated by heavy metals, such

as Cu and Zn, since the 1970s. A remarkable

increase in eutrophication since the 1980s due to

increased loading of untreated effluents from

industry, agriculture and urbanization is reflected

by total organic carbon, total nitrogen and

pigments in the studied cores. However the onset

times of eutrophication in different parts of Lake

Taihu were not synchronous.

Keywords Lake Taihu � Sediment core �
Eutrophication � Heavy metal

Introduction

Lake Taihu, situated in the southern Yangtze

River Delta, is one of the five largest freshwater

lakes in China (Shun & Huang, 1993). Anthro-

pogenic activities in the basin can be traced to

7,000 B.P. (Chen & Wang, 1999; Chen et al.,

1997). Human impacts have increased dramati-

cally in the last two decades.

Lake sediments can serve as information

archives of environmental changes through time

(Mônica&Carlos, 2002), since each layer of buried

sediments represents a record of past environmen-

tal conditions (Von Guten et al., 1997). Changing

heavy metals and organic matter concentrations in

dated sediment cores indicate the evolution of

adjacent emission sources and terrestrial ecosys-

tems. This evolution often is influenced by social

changes, such as industrial development, defores-

tation, mining, population increase and energy

consumption (Palanques et al., 1998). Pigments in

lake sediments can also provide an effectivemeans

for reconstructing the paleoenvironmental history

of lake ecosystems.As a result, sediment coresmay
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provide a valuable record of anthropogenic and

environmental changes.

The purpose of this study was to track trophic

status and human impact in the past century as

recorded in three short sediment cores taken from

eastern, northeastern and southwestern Lake

Taihu. By extending the record to the beginning

of the last century, changes in water quality and

the ecosystem may be identified.

Materials and methods

Cores were taken from two sites in Lake Taihu in

1995 using a gravity corer (Fig. 1). One core (W)

was taken from western Lake Taihu; the other

one (E) was taken from East Taihu Bay. In 2003,

another core (THS) was taken from southern

Lake Taihu. W station was near Wuxi, an

industrial city located 2 km northeast of Wuli

Bay. Wuli Bay receives industrial waste water and

domestic sewage from Wuxi, and water flows

from Wuli Bay to Lake Taihu in winter/spring

(Zou et al., 1996). Site E receives a small input of

waste water and has dense submerged macro-

phyte coverage, while THS receives only waste

materials from small towns.

Cores W and E were sliced at 2 cm intervals

for total organic carbon (TOC), total nitrogen

(TN) and sediment pigments analysis. Core THS

was sliced at 1 cm intervals for chemical analysis

of sediments, physics and radioactivity dating.

TOC was measured using concentrated sulfuric

acid digestion with potassium dichromate, and

TN was measured by the Kjeldahl technique

(Institute of Soil Science, 1978; Professional

Committee of agricultural chemistry of Chinese

Society for Soil Sciences, 1983).

Samples were transferred quickly to air-tight,

darkened containers for pigment analysis. Sam-

ples were stored at 4 �C before analysis. Pigments

were determined using the method from Swain

(1985). Samples were extracted using 90% ace-

tone, and pigment concentrations were deter-

mined by measuring absorption at appropriate

wavelengths with a spectrophotometer.

Samples for determination of heavy metals

(Fe, Mn, Cu, Zn, Ni) were determined using EPA

Method 3052 (HCl-HNO3-HF digestion) and

ICP-AES (Leeman Labs Profile) (USEPA

1995). Accuracy was assessed with reference

material from the National Institute of Standard

and Technology (SRM 1646a).

Grain sizes of sediments were determined

using a Malvern Mastersizer 2000. In addition,

sediment age was estimated from available dates

determined by 210Pb or 137Cs (Wan et al., 1987).
210Pb and 137Cs were determined using EG and G

Ortec Gamma Spectrometry at Nanjing Institute

of Limnology and Geography. 137Cs was mea-

sured at 662 keV, while 210Pb was determined via

gamma emission at 46.5 keV and 226Ra at 295 and

352 keV c-rays emitted by its daughter isotope
214Pb. A stable depositional rate was assumed.

Results

Sedimentation rate

Average sedimentaion rate for northern East

Taihu Bay was 1.8 mm yr–1, and average deposi-

tional flux was 0.13 g cm–2 yr–1. Average deposi-

tional flux for southern East Taihu Bay

was 0.24 g cm–2 yr–1. Depositional flux was

0.08 g cm–2 yr–1 for western Lake Taihu (Shun &

Huang, 1993). Average sedimentation rate for

East Taihu Bay based on 210Pb was 0.39 cm yr–1

according to Chang (1996), and our core E

location was the same as Changs’. In 2002, a core

from the same location as W had an averageFig. 1 Map of study area showing sampling sites
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sedimentation rate based on 137Cs of 0.17 cm yr–1

(Liu et al., 2004). For core THS, the average

sedimentation rate was 0.34 cm yr–1 based on
137Cs, and 0.41 cm yr–1 using 210Pb (Table 1).

Nutrients in the sediment

TOC, TN and C/N ratios for the three cores are

shown in Fig. 2. Highest TOC and TN concen-

trations in core W occur in the top 4 cm, which

represents about 20 years of deposits estimated

from 137Cs. Highest TOC and TN concentrations

also occur in the top 4 cm in core E, representing

about 10 years of deposits based on 210Pb. In core

THS, the TOC concentration maximum occur in

the top 8 cm, representing about 20–24 years

based on 210Pb or 137Cs. An abrupt increase in

TN concentration in core THS occur in the top

Table 1 Sedimentation
rates of W, E and THS

Core name W E THS

210Pb 137Cs 210Pb 137Cs 210Pb 137Cs

Sedimentation
rate (cm yr–1)

– 0.17 (Liu
et al,2004)

0.39 (Chang, 1996) – 0.34 0.41

Fig. 2 Variation of TOC, TN and C/N in (a) W, (b) E and (c) THS core sediments
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3 cm, which represents about 7–9 years based on
210Pb or 137Cs.

In East Taihu Bay, C/N ratios range from 10 to

15 since the 1930s, while in core W C/N ratios are

from 5 to 10 since 1975. C/N ratios vary little

throughout the THS core. In general, lower C/N

ratios are found in the top 2 cm of cores W and

THS.

Pigments in the sediment

Pigments preserved in lake sediments contain

detailed information about eutrophication his-

tory. An interpretation of major pigment types

(e.g. chlorophyll and carotenoids) is often difficult

and ambiguous. In contrast, pigments unique to

blue-green algae are useful in tracing eutrophica-

tion development. Oscillaxanthin is a pigment

unique to Oscillatoriaceae and has been found in

only one genus other than Oscillatoria. However,

myxoxanthophyll is found in most blue-green

genera and all six families examined (Swain,

1985).

Results of pigment analysis in cores W and E

are shown in Fig. 3. An increase in pigments is

noted in the top 8 cm of core W. Based on 137Cs,

these sediments represent about 44 years. Dis-

tinct increases in pigments from core E are found

in the top 4 cm. Based on 210Pb, the top 4 cm

represents about 9 years. The largest change in

pigment concentration is in chlorophyll deriva-

tives (CD) and total carotenoids (TC) in cores W

and E. Differences exist between cores W and E.

A large increase in myxoxanthophyll occurred in

E core, and a dramatic rise in oscillaxanthin was

found in W core.

Heavy metal pollution

Heavy metal concentrations and particle sizes in

core THS are shown in Fig. 4. Mn, Cu, Zn, Ni and

Pb concentrations decrease from bottom to depth

Fig. 3 Variation of pigments in (a) W and (b) E core sediments

Fig. 4 Variation of metals in THS core sediments
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17 cm, then become stable until depth 7 cm. Cu,

Zn, Ni and Pb values shows the trend of increas-

ing from depth 7 cm to 0 cm. Elevated organic

carbon and Mn/Fe ratio also were observed, so

heavy metals may be bound with organic matter

or the Fe/Mn oxide fraction under oxydic condi-

tions. However, coarse materials were found in

these layers.

Others have reported that Hg originated partly

from human pollution from the mid 1920s to

1970s at a site near W (Liu et al., 2004). Heavy

metals, such as Cu, Zn, Pb, Hg, and As are

indicative of human pollution. Source character-

istics of heavy metals correspond to human

activities and economic development in the Lake

Taihu drainage basin (Liu et al., 2004).

Discussion

C/N ratios are useful for distinguishing between

algal and vascular origins in organic sediments

(Meyers et al., 1995). Dense submerged macro-

phytes may explain the high C/N ratios in East

Taihu Bay. Lower C/N ratios in the top 2 cm of

cores W and THS compared to the deep depth

sediment indicate increasing algal origin.

Increasing values of total organic matter

(TOM), TN and total phosphate (TP) concentra-

tions were found in Lake Taihu surfical sediments

dated between 1980 and the 1990s (Table 2; Hu,

2003). Increases in TOC and TN are also

observed since the early 1980s in all the three

cores. High TOC and TN in the three cores since

the early 1980s agree with others concluding that

accelerated eutrophication began in 1983/1984 in

Lake Taihu (Chang, 1996). Rose et al. (2004) also

got the same results from northern parts of Lake

Taihu that nitrogen levels increase dramatically

from the mid-1980s which is in agreement with N

concentrations in lake water. However, estimates

of nutrient enrichment onset may differ among

cores if the stable depositional rate from 210Pb or
137Cs is accepted (i.e., about 1975 in core W, early

1980s in core THS and mid 1980s in core E).

The reason why Oscillaxanthin increase during

1940s and 1950s at site west while another

variables do not increase until much later is

unknown. Deep work should be done for this.

Pigments are labile compounds, so the increases

in the surfical sediment may indicate either better

preservation via sediment anoxia or increased

production. But changes of CD/TC profiles can

help identify the cause for increased blue-green

pigment concentrations, lower CD/TC ratios rep-

resent good preservation condition (Wu et al.,

2004). Relatively lower CD/TC ratios in top

sediments of cores W and E keep stable or show

up-core increase trend. According Wu’s method

(Wu et al., 2004), increased production could be

acceptable reason for the increase in blue-green

algae.

Pigment enrichment in core W was caused by

anthropogenic inputs due to increasing popula-

tion and human activities in the watershed since

the 1950s. However, the change was slow in the

1950s and 1970s, and inputs were primarily low

amounts of agricultural and household wastes

(Chang, 1996). Untreated effluents from the

watershed have increased substantially in the last

two decades. Total wastewater discharge in 1979

was 662 million tons, 1153 million tons in 1989,

and 1387 million tons in 1999. Wastewater treat-

ment facility capacity is only 328 million tons per

year (Hu, 2003). This untreated effluent rapidly

increased eutrophication in Lake Taihu. This

Table 2 Comparison of amount of total nitrogen, total phosphorus and total organic matter in the sediment of Lake Taihu
over years

Year TN(%) TP(%) TOM(%)

Range Average Range Average Range Average

1960 – 0.067 – 0.044 0.54–6.23 0.68
1980 0.022–0.147 0.065 0.037–0.067 0.052 0.24–2.78 1.04
1990–1991 0.049–0.558 0.080 0.040–0.107 0.056 0.57–15.10 1.90
1995–1996 0.022–0.450 0.094 0.039–0.237 0.058 0.31–9.04 1.70
1997–1999 0.022–0.618 0.092 0.028–0.280 0.060 0.31–15.73 1.83
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corresponds to increased pigment content in core

E since 1986. Differences in onset time of

sediment pigment enrichment may be due to the

distance from river input locations. And Core W

is located in northern Lake Taihu, where large

amounts of untreated effluent are discharged,

while E receives low waste water inputs.

Higher concentrations of Mn, Cu, Zn, Ni and

Pb in the deepest layers may be related to

differences in Mn/Fe ratio and fine-grained sed-

iment. Largest concentration of heavy metals in

finer sediments agrees with other observations

(Salomons & Fostner, 1984). Rising heavy metal

concentrations in core THS may indicate recent

contamination. However, high Pb concentrations

also were observed from 7–12 cm. Differences

may indicate earlier discharges of Pb. And Pb,

Cu, Ni and Zn were the main pollutants in some

rivers investigated around Lake Taihu (Wang &

Cao, 2002).

Conclusions

Combined with 210Pb and 137Cs dating and

geochemical analyses, the sediment record of

Lake Taihu demonstrates a complex history of

environmental changes in the past century. Heavy

metals concentration reveals contamination

caused by human activities such as industry and

urbanization. TOC and C/N ratios indicate

changes in organic matter enrichment in sedi-

ment, such as enhanced algae contribution due to

waste water and nutrient matter input to the lake.

Changes in TN, TP and pigments from the cores

confirm eutrophication of Lake Taihu. However

the onset times of eutrophication in different

parts of Lake Taihu were not synchronous. This

means multi-core analyses would be better to

understand eutrophication history of such a large

shallow lake.
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EUTROPHICATION IN LAKES

Role of climate and agricultural practice in determining
matter discharge into large, shallow Lake Võrtsjärv,
Estonia

Peeter Nõges Æ Marju Kägu Æ Tiina Nõges
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Abstract This article addresses how seasonal and

annual matter discharge into large, shallow Lake

Võrtsjärv (Estonia) is determined by climate and

changes in agricultural practices. Climate variability

involved increasing winter air temperatures and

large inter-annual temperature and precipitation

variation. Agriculture practices have transformed

from high fertilizer usage (i.e. swine slurry) in the

1970s and 1980s, leading to high phosphate, ammo-

nium, and BOD5 loadings, to low loadings after the

collapse of soviet-type agriculture in the early

1990s. The 28-year monthly record on river flow

and concentrations of nutrients (N, P) and dissolved

organic matter (BOD5, CODMn) from four main

tributaries was analysed with seasonal air temper-

ature and precipitation data. Long-term trends in

nutrient and organic matter loadings to Lake

Võrtsjärv resulted from agriculture and climate

changes. The change could be traced as a linear

trend in loadings and a highly inter-correlated

cluster of the slurry-related pollutants. Coincidental

trends in air temperature and fertiliser use caused

strong correlations between air temperature and

pollutant loadings to the rivers, which turned non-

significant after removing trends showing that the

relationships were not based on year-to-year dif-

ferences. Residual analysis revealed significant

positive correlations between precipitation and

annual loadings of ammonium, phosphates, and

CODMn. Both components forming the load (water

discharge and concentrations of substances) in-

creased in wet years. The effect of high winter

North Atlantic Oscillation Index (NAO) was

expressed asmore intensive river flowduringwinter

months and decreased flow during the flood peak.

Keywords Large and shallow lake � Climate

impact � Agricultural practice � Discharge �
Nitrogen � Phosphorus � Dissolved organic matter

Introduction

Studies on global climate have revealed that

conditions in the Northern Hemisphere are
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warming, with wetter winters and drier summers

(Magnuson et al., 1997). These changes are

attributed to increasing content of green-house

gases in the atmosphere, which may be reflected

in the increasing tendency of the North Atlantic

Oscillation Index (NAO) (Hurrell et al., 2001,

2003). The increase of NAO is most pronounced

in winter during the last 30 years (Cook, 2003).

The signal of the winter NAO can be traced in

thermal (Gerten & Adrian, 2001), hydrological

(Yoo & D’Odorico, 2002) and biological param-

eters (Straile et al., 2003) of lakes, where its

persistence is modified mostly by lake morphol-

ogy (Gerten & Adrian, 2001). Climate change

affects the balance of heat, water and substances

in lake catchments resulting in changes to the

hydrological regime and loadings. Hydrological

changes have the strongest impact on shallow

lakes, where they cause large fluctuations in water

volume and lake depth. In Lake Võrtsjärv (mean

depth 2.8 m), mean annual amplitude of water

level fluctuations is 1.4 m, and the maximum

range reaches 3.2 m. The latter corresponds to a

1.4-times difference in lake area, 2.4-times differ-

ence in mean depth and 3-times difference in lake

volume (Nõges & Nõges, 1999). Changes in lake

depth affect average illumination of the mixed

water column, resuspension intensity, nutrient

release from sediments, and denitrification rate in

non-stratified shallow lakes. These factors control

growth and composition of phytoplankton, which

is the first link of the pelagic food web. Thus,

changing water level has been considered the

leading factor controlling ecosystem dynamics of

Lake Võrtsjärv, primarily through phytoplankton

(Nõges et al., 2003).

The impact of climate change on discharge of

substances into the lake also must be considered.

To now, this aspect of climate change has been less

studied compared to better-known impacts on

water temperature, stratification and ice cover.

Phosphorus, nitrogen and silica are the most

important substances coming from the watershed

and shaping lake ecosystems. In warm, dry years,

nutrient loading usually decreases, while in-lake

concentrations may increase due to increased

evaporation and more intensive release from

sediments at a low water stage (Magnuson et al.,

1997). The direction of the changes caused by

climatic alterations can differ between deep and

shallow lakes as well as regions of different

climatic conditions. For example, cold low-NAO

winters in Sweden bring about lower nutrient

input to lakes, while, in Great Britain, such winters

are associated with increased nutrient loading

(Monteich et al., 2000; Straile et al., 2003).

Recently, limnologists have studied connec-

tions between climate change and coloured dis-

solved organic matter (CDOM) loading. CDOM

affects underwater light conditions (Arst, 2003)

and is important for phytoplankton and food

webs. This may be crucial in large, very shallow

lakes, like Lake Võrtsjärv, where light conditions

play a leading role among factors limiting phyto-

plankton development (Nõges et al., 1998). In

addition, CDOM is a substrate for aquatic bacte-

ria. Water in European lakes is getting darker,

and this phenomenon has been connected with

intensified CDOM leakage from peaty catch-

ments in warmer conditions (Freeman et al.,

2001). There is, however, a current debate

regarding effects of global warming and climate

change on terrestrial organic matter export to

aquatic environments (Tranvik & Jansson, 2002)

since, e.g., northern boreal lakes generally have

high CDOM concentrations (Curtis, 1998). It is

clear that knowledge about the nature of climate

change and its impacts is far from complete. The

response of lakes to climate changes via temper-

ature regime and stratification is complex and

unpredictable, and different lakes may react in

individual ways. Eutrophication may either

diminish or magnify effects of climate change.

Answering questions regarding climate change

impacts on lakes often is hindered by the scarcity

of reliable, long-term limnological data. Changes

in agricultural practices also may affect loadings

and either mask or magnify climate change

effects. The nearly 30-year record of monthly

meteorological, hydrological, and chemical data

available for Lake Võrtsjärv and its main tribu-

taries offers a unique opportunity to study

seasonal and annual dynamics of loading of

different substances into the lake. This paper

addresses how seasonal and annual matter dis-

charge is determined by climate and changes in

agricultural practices in large, shallow Lake

Võrtsjärv (Estonia).
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Site description

Lake Võrtsjärv is a large, shallow lake (270 km2,

mean depth 2.8 m) located in central Estonia

(58�05¢–58�25¢ N, 25�55¢–26�10¢ E). Its catchment

area (3374 km2; Fig. 1) belongs to the southern

Boreal forest zone. Forests cover 30–40% of the

southern catchment, reaching 50–60% in the

Väike Emajõgi Valley. The largest wetland areas

cover the eastern coastal region and the mouth

the Väike Emajõgi and Õhne rivers. The propor-

tion of arable land is the lowest (10–20%) in the

northern part and highest (30–40%) in the

western and eastern parts of the catchment

(Järvet et al., 2004). Agricultural activities are

the main anthropogenic impact on the lake. In the

1980s, large areas, especially in the R. Tänassilma

sub-catchment, were fertilized with swine slurry

causing increased nutrient loading (Järvet &

Laanemets, 1989, 1990). Improvements in waste-

water treatment since the 1990s has decreased

point source loadings from Valga (pop. 14,000)

and Viljandi (pop. 21,000), located on the

watershed boundary, and other smaller settle-

ments. Abandonment of several large cattle farms

has contributed to this decrease. The lake is

Fig. 1 Location map and division of Lake Võrtsjärv catchment area
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ice-covered from mid-November to mid-April

(average 135 days). The flow regime of inflowing

rivers is natural, and inflow usually peaks in April

with about one-quarter of its annual total inflow.

Water retention time is about 1 year, and Lake

Võrtsjärv is highly eutrophic, characterised by a

mean total nitrogen concentration of 1.6 mg l–1,

total phosphorus of 54 lg l–1, and chlorophyll a of

24 lg l–1 (Haberman et al., 1998). During the ice-

free period, Secchi depth commonly is less than

1 m, mainly due to resuspended sediments.

Material and methods

Nutrient concentration data (different forms of N

and P), biochemical oxygen demand (BOD5),

chemical oxygen demand by permanganate

(CODMn), and water colour (Pt-Co�) in rivers

were measured from 1975 to 2002 in the State

Monitoring Programme, and data were obtained

from the Information Centre of the Estonian

Ministry of Environment. Yearly riverine loadings

(L) were calculated based on daily water dis-

charges and monthly concentrations of substances:

L ¼
X12
i¼1

Wki � Cki

Wki––volume of monthly runoff

Cki––mean monthly concentration

NAO data from 1886 to 2002 were obtained

from http://www.cru.uea.ac.uk/cru/data/nao.htm.

Winter NAO (NAOw), calculated as the December–

February mean, was used in this analysis. Air

temperature (1894–2002), precipitation (1866–

2002), lake water level (1923–2002), and riverine

discharges were measured routinely during

meteorological and hydrological surveys by the

Estonian Institute of Hydrology andMeteorology.

Statistica for Windows (v 6.0) was used for

statistical analyses. Data were detrended linearly

using the Time Series Analysis module. Spearman

rank correlation was used throughout the analysis.

Results

Twenty-eight-years of data on annual nutrient

loading were analyzed from four Lake Võrtsjärv

sub-catchments: Tänassilma, Tarvastu, Õhne, and

V. Emajõgi (Fig. 1) together with precipitation

and air temperature data. Several peak loadings

of pollutants visible in the long-term dynamics

were related directly to extreme wet years

(Fig. 2). For example, rainy years 1981 and 1998

were distinguished by increased runoff of CODMn

and phosphates, while 1990 was characterized by

that of CODMn and nitrates (Fig. 2). Besides

rainy years, peaks of ammonium, phosphate and

BOD5 (latter not shown) in 1986 and 1987

coincided with cold winters (Fig. 2). Time-series

of winter air temperature data (Jan.–Mar.) can be
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Fig. 2 Long-term annual loading of nitrate and ammo-
nium nitrogen (NO3

–-N and NH4
+-N, respectively), phos-

phate phosphorus (PO4
3–-P) and permanganate oxygen

demand (CODMn) from four sub-catchments of Lake
Võrtsjärv (Tänassilma, Tarvastu, Õhne, and V. Emajõgi),
annual amount of precipitation (Prec.) and winter air
temperature measured at Tartu hydrometeorological
station
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roughly subdivided into two periods: 1975–1988

and 1989–2002 (Fig. 6). In the second period,

temperature was notably higher. At the same

time, loading of some substances, phosphates and

ammonium in particular, showed a similar rela-

tionship: average loadings were different before

and after the late 1980s. Presumably, this trend,

which coincidentally was synchronized with the

climate shift and caused, in part, by agricultural

practice changes, may result in a negative rela-

tionship between temperature and substance

loadings and bias other relationships. Correlation

differences before and after trend removal were

analyzed to distinguish between effects caused by

year-to-year variations of (mostly climatic) indi-

ces and those caused by coinciding trends. Annual

loading data was analyzed with annual and

seasonal data on climatic variables: air tempera-

ture and precipitation. Trend removal caused

several changes in the correlations (Table 1):

(1) all correlations between air temperature and

loadings of substances became insignificant,

(2) correlations between phosphates, ammonium

and biochemical oxygen demand weakened,

(3) statistical relationships between loadings

and precipitation strengthened,

(4) correlations between loadings of chemical

oxygen demand and other substances

strengthened.

Second, emphasis was placed on two sides of

the loading formation: river discharge and con-

centration of substances and their relationships

with NAO. Relationships were analyzed between

detrended NAOw, discharge, and concentrations

of CDOM and nutrients (N and P) in two major

inflows to Lake Võrtsjärv (R. Väike Emajõgi and

R. Õhne). These two rivers account for 60% or

more of total discharge and nutrient loading to

the lake. Figure 3a, b show the monthly inflow

regime, and both rivers show peak flow in April.

From January to March, discharge (Q) of both

rivers was related positively to NAOw, while the

relationship was negative in April–May (Fig. 3c).

Water colour and CODMn were used as proxies

for CDOM. These two parameters were related

strongly to each other (r = 0.57 in the R. Õhne

and r = 0.66 in the R. Väike Emajõgi;

p < 0.00001). NAOw showed strong correlations

with both CDOM proxies. From January to

March, correlations were mostly positive

(p < 0.05 in February and March) and turned

mostly negative for the rest of the year (Fig. 4a,

Table 1 Spearman
correlations between
climatic variables and
loadings of substances to
Lake Võrtsjärv (1975–
2002) before and after
removing linear trends
from all data series

T––temperature, P––
amount of precipitation
(numbers in the foot
index show the period in
months to which the data
pertain); loadings: PO4

3–––
phosphates, NO3––
nitrates, NH4

+––
ammonium, BOD5–
biochemical oxygen
demand, CODMn––
permanganate oxygen
demand

* p \ 0.05, **p \ 0.01

Direction of
change

Between
variables

Spearman r
before detrending

Spearman r
after detrending

Weakening T1–3 - PO4
3– –0.438* –0.177

T1–3 - NH4
+ –0.448* –0.303

T4–6 - BOD5 –0.472* 0.027
T4–6 - PO4

3– –0.507** –0.301
T4–6 - NH4

+ –0.418* –0.174
T7–9 - BOD5 –0.391* –0.174
T7–9 - PO4

3– –0.512** –0.269
T7–9 - NH4

+ –0.377* –0.033
BOD5 - PO4

3– 0.875** 0.552**
BOD5 - NH4

+ 0.862** 0.432*
NH4 - PO4

3– 0.857** 0.589**
Strengthening P7–9 - NH4

+ 0.322 0.391*
P7–9 - CODMn 0.374 0.420*
P7–9 - PO4

3– 0.383* 0.522**
P1–12 - PO4

3– 0.152 0.605**
CODMn - NH4

+ 0.368 0.517**
CODMn - PO4

3– 0.263 0.517**
CODMn - NO3

– 0.437 0.629**
Unchanged P1–12 - CODMn 0.570** 0.554**
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b). Strongest negative correlations occurred in

both rivers and for both parameters in July. In

both rivers, water colour and CODMn were

related positively to discharge throughout the

year, and strong correlations occurred in March,

June and August–November (Fig. 4c, d).
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Fig. 3 Monthly discharges (Q) of rivers Õhne (a) and Väike Emajõgi (b) and their Spearman correlations with the NAO
index for winter (c). All series detrended
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Increased nutrient concentrations in January

were characteristic of high-NAOw years. For total

nitrogen (TN) and, especially, nitrates, the

positive relationship with NAOw continued in

February and March (Fig. 5a, b). For the rest of

the year, the relationship with NAOw turned

negative for TN, while nitrates showed a positive

relationship from July to September. For phos-

phates and total phosphorus (TP), the correlation

with NAOw remained mostly negative from

February to July-August (strongest in April;

Fig. 5c, d). In autumn, the correlation with NAOw

was mostly positive for TP and variable for

phosphates. Increased discharge generally

brought about higher nitrogen concentrations in

rivers (Fig. 6a, b) with exceptions for the flood

peak in April and the end of the year (November

or December). Strong flushing of nitrates from

the watershed by increased runoff in summer

and autumn especially was pronounced in the

R. Väike Emajõgi. The dependence of phospho-

rus concentration on river flow was more variable

(Fig. 5c, d): in both rivers the correlation was

negative in February and March, and strongest

positive correlations occurred in August for

phosphates and September–October for TP.

Discussion

Analysis showed that correlations between the

original series of air temperature and substance

loadings were caused by common trends in

variables and not an inherent causal relationship.

The trend in winter air temperatures, expressed

as a step-wise change since the late 1980s, perhaps

could be attributed to climate change or climate

warming observed over large areas of the north-

ern hemisphere (IPCC, 2001). Climate investiga-

tions in Estonia show that air temperature

increased by 0.3–0.5�C from 1966 to 1998 com-

pared to the earlier 90-year period, and the

largest increase (>1�C) has taken place in March

(Jaagus, 1999). Changes in winter temperatures

may cause changes in catchment processes and

affect loadings of substances to the lakes. Year-

to-year variation in winter air temperature influ-

ences nitrate concentration in lakes in the English
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concentrations in two major rivers in Lake Võrtsjärv
catchment. All series detrended
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Lake District, since warm winters lead to a

reduced nitrate concentration (George et al.,

2004). As an extreme example, a 2� temperature

increase melted the permafrost in the Lake

Schwarzensee catchment, a remote high-alpine

lake in Austria, and totally changed the chemical

regime of the lake. Conductivity and silica con-

centration doubled, and pH increased dramati-

cally (Psenner & Schmidt, 1992).

However, climate variability had a clear influ-

ence on loadings via precipitation changes.Despite

several cases (1981, 1990, 1998) where effects of

rainy years on loadings was visible in the time-

series (Fig. 2), relationships remained insignificant

without detrending the data. Residual analysis

revealed significant positive correlations between

precipitation and annual loadings of ammonium,

phosphates, and CODMn. Ammonium and

CODMn loadings showed strongest relationships

with rainfall from July to September, and phos-

phate loading with annual precipitation.

After detrending, relationships between

BOD5, phosphates, and ammonium became

weaker. Increased runoff of these pollutants is

typical for agricultural catchments fertilised with

slurry and, hence, changes in slurry application

were expressed as a common trend in their

loading rates. Experiments carried out on a

sloping site using purpose-built facilities (Smith

et al., 2001a, b) showed that application of cattle

slurries to the silty clay loam soil increased loss of

solids, ammonium nitrogen, and particulate and

soluble phosphorus in surface water flow com-

pared to control plots receiving inorganic fertil-

iser only, or no treatment, but had little effect on

nitrate losses by this route. Rainfall events

immediately after manure applications may cause

large run-off of nutrients (Jarvis et al., 1987;

Smith et al., 2001a), which may explain the

synchronous increase of ammonium and phos-

phate loadings observed in the present study in

some rainy years (e.g. in 1981).

In the original data, CODMn loading showed a

different behaviour compared to other substances:

it did not correlate with any others and had a

significant positive relationship only with annual

precipitation. After trend removal, the latter did

not change, but correlations between loadings of
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Fig. 6 Monthly Spearmen correlations of the discharge
(Q) with (a) total nitrogen (TN), (b) nitrate (NO3

–-N), (c)
total phosphorus (TP), and (d) phosphate (PO4

3–-P)

concentrations in two major rivers in Lake Võrtsjärv
catchment. All series detrended
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all substances became highly significant. CODMn is

represented in runoff waters from the Lake

Võrtsjärv catchment mainly by humic substances,

which give a brownish colour to the water. Dynam-

ics of CODMn loadings reflected natural changes in

catchment hydrology and was not affected by

changes in agriculture, which caused different

behaviour of other substances. After trend

removal, dynamics of the slurry-related compo-

nents became more natural, while the role of

precipitation as the most important climatic

parameter became a clearer manifestation.

NAO is one of the often-used proxy indicators

allowing complex atmospheric circulation pat-

terns to be expressed as a simple index. It

combines effects of changes in temperature,

affluence, and wind patterns. The relationship

between NAOw and river flow is established

through precipitation in winter and spring but,

first, by a shift in the timing and height of the

flood peak. Milder winters (increased air temper-

ature in February from –7.9 to –5.5�C during

1950–1997) and changed precipitation patterns

have influenced mean annual water discharge,

which has resulted in more intensive flow during

colder seasons and decreased runoff in summer

(Mander et al., 2000). During mild winters (high

NAOw), recurrent snowmelts keep water flowing

throughout the winter, thus reducing peak dis-

charges in spring (Fig. 3). Since temperature

affects timing of the flood peak and, to a lesser

extent, annual discharge (if differences in evap-

oration are considered), its effect on annual

loading remained marginal and could not be

revealed in our data. Concentrations of sub-

stances in rivers were related positively to river

flow (Figs. 4c, d, 6). Thus, both components

forming the load (water discharge and concen-

trations of substances) increased in wet years. As

mentioned, summer and autumn rains (July–

September) correlated most strongly with annual

loadings of substances. Runoff of substances in

this period, characterised usually by low flow in

rivers (Fig. 3), was sensitive to precipitation,

evidenced by strong correlations between water

discharge and concentrations. Periods of negative

correlations between water flow and concentra-

tions occurred only for nutrients and were

observed mostly in winter and spring. For

phosphorus, the negative relationship in February

and March may be attributed to the winter low

flow period when most rivers switch to ground-

water feeding (Järvet, 2001). Negative correla-

tions between water flow and nitrogen

concentration coincided with the April flood peak

and may be caused by dilution.

Conclusions

(1) Long-term changes in loadings of nutrients

and organic matter to Lake Võrtsjärv

resulted from changes in agricultural prac-

tices as well as climate change.

(2) Agriculture changes involved the transition

from high loadings of phosphates, ammonium,

and BOD5 in the 1970s and 1980s from fertil-

isers, in particular swine slurry, to low loadings

after the collapse of soviet-type agriculture in

the early 1990s. Changes are traced as a linear

trend in loadings andan inter-correlated cluster

of slurry-related pollutants.

(3) Climate variability consisted of an increas-

ing trend in winter air temperatures and

large inter-annual fluctuations of tempera-

ture and precipitation.

(4) Coinciding trends in air temperature and

fertiliser use caused strong correlations

between air temperature and pollutant load-

ings to rivers. All these relationships were

insignificant after removing the trends,

showing that the relationships were based

on a coincidental common trend and not

year-to-year differences.

(5) Residual analysis revealed significant posi-

tive correlations between precipitation and

annual loadings of ammonium, phosphates,

and CODMn. Both components forming the

load (water discharge and concentrations of

substances) increased in wet years.

(6) The effect of high winter NAO was ex-

pressed in more intensive river flow during

winter months and decreased flow during

the flood peak.
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Lake Võrtsjärv, Estonia. International Review of
Hydrobiology 83: 279–296.
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EUTROPHICATION IN LAKES

Stable isotopic composition of nitrate in Lake Taihu, China,
and major inflow rivers
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Abstract Identification of sources of nutrient

pollution is a first step towards remediation of

eutrophication in aquatic ecosystems. The stable

isotope nitrogen-15 (15N) is a natural indicator of

nitrogen (N) source and biogeochemistry. We

sampled Lake Taihu, a hyper-eutrophic lake in

eastern China, and major inflow rivers during

winter and spring of 2004 to determine concen-

tration and d15N of nitrate (NO3
–). Nitrate con-

centrations in rivers and the lake were higher, in

most cases, in spring than in winter. d15N of NO3
–

was not correlated with NO3
– concentration,

indicating that concentrations alone are insuffi-

cient to describe N sources. Results show that

riverine N inputs in winter are influenced by

discharge of human sewage into rivers and the

lake. In spring, however, wastewater inputs to the

lake appear to be balanced by fertilizers, atmo-

spheric, and/or N2 fixation sources. Rain NO3
–

concentrations were seasonally high and isotopi-

cally enriched compared to potential sources,

indicating that rain may be a significant or even

dominant source of N to the lake during the rainy

season. d15N values show that urbanized areas of

the lake have more sewage-derived N than those

areas dominated by agriculture, aquaculture, or

industry. This observation has important implica-

tions for human health, since Lake Taihu is a

source of drinking and irrigation water as well as

fish for human consumption.

Keywords Nitrate � Nitrogen-15 �
Lake Taihu � China � Stable isotopes �
Eutrophication

Introduction

Eutrophication is a serious environmental prob-

lem in many aquatic ecosystems around the world,

including Lake Taihu, located in eastern China in

the Changjiang River delta. Excess nutrient inputs

into Lake Taihu have resulted in seasonally high

population densities of phytoplankton and mac-

rophytes with detrimental effects on water quality

and fish populations (Pu & Yan, 1998; Qin et al.,

2007). High nutrient inputs can be concurrent with

loading of other toxins, such as heavy metals and
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harmful bacteria that can be associated with

wastewater (Wu et al., 1999).

Nitrogen (N) has two naturally occurring stable

isotopes, 14N and 15N, which are present as 99.64

and 0.36% of all N atoms, respectively (Faure,

1986). Nitrogen isotope ratios usually are ex-

pressed in delta notation with respect to the N

isotope ratio of air; therefore, samples containing

an N isotope ratio close to that of air will have

d15N values near zero (Mariotti, 1984). For this

reason, inorganic fertilizers derived from atmo-

spheric N2 and biomass of N2–fixing plants and

microorganisms have a d15N value around zero

(Peterson & Fry, 1987). Most inorganic fertilizers

have a d15N of nitrate (NO3
–) between –1 and 2&

(Macko & Ostrom, 1994), whereas organic fertil-

izers such as manure may produce NO3
– with

higher d15N values (Jin et al., 2004). N cycling

processes such as denitrification and ammonia

volatilization discriminate against heavier 15N,

leaving remaining substrate enriched in 15N rela-

tive to initial composition and the end product.

Dissolved N compounds derived from human

waste can be enriched in 15N as a result of the

sewage treatment process and the high trophic

status of humans. Nitrate derived from wastewater

has a d15N from 10 to 20&, whereas natural soil

nitrate d15N values usually range from 2 to 8&
(McClelland & Valiela, 1998). It is important to

note that d15N of NO3
– is not an unambiguous N

source indicator in lakes (Bedard-Haughn et al.,

2003), especially since fertilizers and natural soil

NO3
– may become isotopically enriched in ground

waters and rivers before they reach the lake

(DeSimone & Howes, 1996; Kellman & Hillaire-

Marcel, 1998). However, isotopic differences of N

sources and changes in 15N-content of those

sources can be used to identify seasonal N

contributions to aquatic ecosystems, especially

when considered in the context of other nutrient

monitoring and flux studies.

Site description

Lake Taihu (Fig. 1) is a large (2338 km2), shallow

(average depth 1.9 m) lake located in the Chang-

jiang River delta in southeastern China (Qin

et al., 2007). The lake provides drinking water,

irrigation water, and fish for the approximately

36 million people residing in the catchment (Qin

et al., 2007). Lake Taihu suffers from eutrophi-

cation due to point and non-point nutrient

sources (Guo et al., 2004). Meiliang Bay and

Fig. 1 Map of Lake Taihu and major inflow rivers (outflow rivers not shown) with inset showing location within China.
Sampling locations within the lake and in major inflow rivers are shown. Also depicted are major cities in the area and
TLLER, where rainwater was collected
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Wuli Bay, located in the urbanized northern part

of the lake, are hyper-eutrophic and characterized

by annual cyanobacterial blooms (Chen et al.,

2003). The northwest and southern portions of the

lake are high-density urban areas. The landscape

to the east and west of the lake is largely

industrial and agricultural. Annual rainfall is

about 1250 mm, 75% of which falls during the

summer monsoon season from May to October

(Pu & Yan, 1998). In 2004, rainfall rates were

highest in the summer months, peaking at

181 mm for July, but only about 55% of total

rain occurred during the monsoon season (L.

Yang, personal communication). Annual river

inflow is about 80 · 108 m3 and the residence time

of lake water is 5 months (Qin et al., 2007).

Materials and methods

Samples were taken from Lake Taihu and major

inflow rivers in January and May of 2004 (Fig. 1).

Most sampling sites were concentrated in Meili-

ang Bay (MB, Fig. 1). Some samples were taken

from East Taihu (ETL), an area dominated by

rooted macrophytes and aquaculture enclosures.

Rainwater was sampled once during each field

season at the Taihu Laboratory for Lake Ecosys-

tem Research (TLLER; Fig. 1). Water samples

were filtered in the field through 0.2 lm nylon

syringe filters into glass vials and frozen. Samples

not frozen immediately were filtered and acidified

with 1 ll ml–1 of H2SO4, then neutralized prior to

isotopic analysis.

Nitrate concentrations were determined by cad-

mium reduction using a flow-injection autoanalyzer

(Lachat QuikChem 8000) at The University of

Texas Marine Science Institute (UTMSI). Water

samples were analyzed in triplicate for d15N of NO3
–

using the ‘‘denitrifier’’method (Sigman et al., 2001).

Nitrous oxide produced via this method was ana-

lyzed on a Finnegan MAT DELTAplus with a

ThermoFinnegan Trace GC and a PreCon inter-

face, also at UTMSI. The precision of this method

for d15N analysis is 0.5& or greater.

Results

Dissolved NO3
– plus nitrite (NO2

–) concentrations

and d15N of NO3
– values determined at each site

during each sampling season are shown in

Table 1. NO2
– + NO3

– concentrations were higher

in spring than winter at all but four sites

(Table 1). Concentrations were not correlated to

d15N of NO3
– (r2 = 0.0884, n = 40).

d15N of NO3
– also showed seasonal differences.

In winter, d15N of NO3
– values in rivers draining

urban areas were generally higher than those

from rivers draining agricultural or industrial

areas. In January, the Liangxihe (R6), Lujiang

(R1), and Dongtiaoxi Rivers (R3), which drain

the urban watersheds of Wuxi, Changzhou, and

Huzhou, respectively, all exhibited d15N values

above 10& (Table 1). The other three rivers

sampled in January had d15N values below 7.5&.

During spring, however, only the Dongtiaoxi

River (R3) had a d15N of NO3
– above 10&.

In winter, lake sites located near river mouths

reflected the d15N of river water. In general,

sampling stations near river mouths had higher

d15N of NO3
– values, and isotopic signatures

decreased with distance from rivers. Stations in

central Lake Taihu had low d15N values, reflect-

ing either an increased contribution of rain

(4.4&) in the central lake or dilution of enriched

riverine N. In spring, NO3
– in Meiliang Bay

maintained high d15N levels. Stations near the

middle of the lake had higher d15N in spring than

winter.

Stations in East Taihu had consistent d15N
values, between 6.3 and 7.6&. Maximum d15N in

East Taihu during January occurred near the

Dongtiaoxi River mouth. In spring, two areas of

East Taihu had NO3
– levels too low to measure

d15N, but overall d15N of NO3
– was comparable

from season to season at this location.

Rainwater d15N of NO3
– varied little with

sampling season (Table 1), although rainwater

NO3
– concentrations were very high in the summer

(145.8 lM, Table 1).

Discussion

In January, rivers on the northwest and southern

parts of the lake that drain large urban areas had

elevated d15N of NO3
– values, indicating the

predominance of sewage-derived N. In compari-

son, rivers draining agricultural or industrial
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areas, such as those on the southwest side of the

lake, had lower isotopic signatures, presumably

due the to dominance of fertilizer or plant-

derived N. In spring, river d15N of NO3
– was lower

at all locations, with only one value above 10&.

This result may indicate the additional contribu-

tion of fertilizers or N2 fixation to river NO3
– in

northwest or southern rivers during the growing

season, especially when considered in the context

of higher springtime riverine NO3
– concentrations.

Alternatively, the reduction in d15N and increase

in NO3
– concentration in rivers during spring may

be due to an increased contribution of high

concentration, low d15N NO3
– rainwater to rivers,

since there is an increase in rainfall at this time.

As expected in a monsoonal climate, river

discharge in the Lake Taihu basin is higher in

spring than winter (Qin et al., 2007). For January,

concentration and discharge weighted average

riverine d15N values were 93% successful at

predicting the average d15N of NO3
– in Meiliang

Bay and the central lake (weighted riverine

average d15N = 6.6&; lake average

d15N = 7.1&), indicating that river discharge

was the primary control on lake d15N in the

winter months. Such integration of river values in

lake water was not unexpected, since Taihu is a

large lake with a long residence time. However, in

May the same calculation was only 77% success-

ful at predicting lake d15N values (weighted

riverine average d15N = 7.5&; lake average

d15N = 9.7&), indicating that biological processes

that fractionate N isotopes are important controls

on lake isotopic composition in spring and sum-

mer. Also, since there is a greater turnover of lake

water in spring due to higher inflow, it is expected

that springtime river and rainfall values become

less effective predictors of lake conditions.

During both sampling seasons, some sites in

Meiliang Bay had higher d15N values than river or

rain sources, indicating fractionation during N

cycling processes. Denitrification rates in Lake

Taihu decrease with distance from inflow rivers

(McCarthy et al., 2007), so high denitrification

rates may explain locally high d15N values in

Meiliang Bay. Samples from May were taken

during initiation of the annual phytoplankton

bloom, and isotopic discrimination during uptake

may explain some of the high d15N values

observed in spring in Meiliang Bay. However,

primary production in Meiliang Bay appears to be

limited by phosphorus, and inorganic N is plen-

tiful (McCarthy et al., 2007), indicating minimal

isotopic discrimination of the DIN pool during N

Table 1 Nitrate and
nitrite concentrations and
d15N of NO3

– values for
water samples collected at
Lake Taihu during
January and May 2004

JANUARY 2004 MAY 2004

NO2
– + NO3

– (lM) d15N (&) NO2
– + NO3

– (lM) d15N (&)

R1 55.1 19.4 93.0 5.7
R2 59.1 7.3 130.4 7.1
R3 74.7 11.1 212.9 13.8
R4 184.1 6.3 131.8 8.6
R5 28.1 5.9 56.7 6.7
R6 84.9 10.1 22.9 7.4
ETL1 49.8 7.6 59.0 3.9
ETL2 7.45 6.8 0.8 undetectable
ETL3 6.95 6.5 0.7 undetectable
ETL4 30.0 6.3 52.5 7.1
Rain water 17.6 4.4 145.8 6.0
MB0 127.0 9.7 96.1 7.1
MB1 84.1 4.0 169.7 8.3
MB2 115.7 6.1 218.0 27.3
MB3 109.7 3.0 228.5 10.0
MB4 111.8 16.2 193.0 11.7
MB5 110.9 6.5 201.0 6.7
MB6 118.2 9.7 89.0 1.6
MB7 85.4 6.0 186.8 8.4
MB8 84.7 3.9 193.5 9.9
MB9 68.9 5.4 329.0 5.9
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uptake. On the other hand, d15N values from East

Taihu were within the range of natural soil NO3
–

and rainwater. This area lacks major inflow rivers

and is used for aquaculture (Qin et al., 2007).

More sampling of end-members, especially aqua-

culture sources, is needed to determine the major

N sources to this part of the lake, but d15N values

from this study indicate that sewage is minimally

present.

Rain could be a major source of N to Lake

Taihu and the surrounding watershed, consider-

ing the high NO3
– concentrations observed in

spring. Atmospheric NO3
– derived from volatili-

zation or nitrification of fertilizers usually is

depleted in 15N, with reported values as low as –

15& (Wada & Hattori, 1991, Macko & Ostrom,

1994). Lightning is another source of isotopically

light fixed atmospheric N, with d15N of NO3
–

values reported from 0 to –15& (Macko &

Ostrom, 1994). Seasonal variation in d15N of

NO3
– in rain has been attributed to changes in

atmospheric NO3
– sources, with the dominant

sources in winter and summer being fossil fuel

combustion (d15N around 0&) and soil (d15N
around –5&) NO3

–, respectively (Freyer, 1991;

Hastings et al., 2003). The d15N of NO3 in rain

observed at Lake Taihu (4.4 to 6&) is more

enriched than these expected sources, implying

either a greater influence of fossil fuel combustion

than previously observed, or a progressive isoto-

pic enrichment of atmospheric fixed N as rain

clouds move east over the European and Asian

land masses. Enriched rainwater N also compli-

cates the use of stable N isotopes to identify N

sources, since the observed rainwater d15N values

fall within the range of natural soil N. Factors

influencing the N concentration and isotopic

composition of rain in the Lake Taihu area

warrant further study, especially since nitrogen

oxides contribute to the formation of acid rain

and since it represents a non-point source of

pollution that is difficult to attenuate.

This study indicates that seasonal fertilizer

application in the Lake Taihu watershed and rain

are the major sources of NO3
– in the summer

months. In the winter months, sewage is a major

source of NO3
– to urbanized areas of the lake. This

finding raises important questions about water

quality, since most drinking water in China is

derived from rivers and lakes. Wastewater dis-

charge into these water bodies has been linked to

illnesses such as typhoid and other bacterial or

parasitic infections in China (Wu et al., 1999).

Future studies should include N loading esti-

mates, quantification of sewage and fertilizer

discharge, and greater spatial and temporal cov-

erage of d15N of NO3
– measurements, especially

rainfall, in order to completely characterize the

NO3
– budget for this system. An annual record of

the isotopic composition of NO3
– in lake water

combined with a complete water and N budget

would be a useful next step in the characterization

of N cycling and sources in this ecosystem.
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EUTROPHICATION IN LAKES

Distribution and chemical fractionation of heavy metals
in recent sediments from Lake Taihu, China
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Abstract Lake Taihu is one of the most con-

taminated lakes in China. Surface sediment data

show that the northern area of the Lake has the

worst heavy metals pollution, and high heavy

metal concentrations were attributed to discharge

of untreated and partially treated industrial waste

water from cities to the north of the lake. To

study geochemical features and pollution history

of heavy metals, total content and chemical

fractionations of Cu, Fe, Mn, Ni, Pb, and Zn

were analyzed for core sediments from western

Lake Taihu using the speciation extraction pro-

cedure, proposed by the Commission of the

European Communities Bureau of Reference

(BCR), together with grain size and organic

carbon measurements. Results show that sedi-

ments are composed of organic-poor clayey-fine

silts for Cores MS and DLS, and have similar

geochemical features shown by heavy metals. Cu,

Fe, Ni, and Zn mainly are associated with the

residue fraction, Mn is concentrated in the

exchangeable-carbonate and residue fractions,

and Pb is concentrated in the Fe–Mn oxide

fraction and organic-sulfide fraction. The frac-

tions of Ni, Pb, and Zn bound to Fe–Mn oxide

show significant correlations with Mn from the

Fe–Mn oxide fraction, and the organic-sulfide

fractions of Cu, Mn, Ni, Pb, and Zn are correlated

with TOC. The increase of Cu, Mn, Ni, Pb and Zn

content and percentage of extractable fractions in

the upper layers of the sediments are correlated

with anthropogenic input of heavy metals due to

rapid industrial development. This coincides

with rapid economic development in the Taihu

basin since late 1970s. Heavy metals in the surface

sediments have certain potential biological

toxicity as shown by the higher SEM/AVS ratio.

Keywords Heavy metals � Sediments �
Distribution � Fractionation � Lake Taihu

Introduction

Lake Taihu, the third largest fresh water lake in

China, is situated in the center of the Changjiang

River Delta (Qin et al., 2007) (Fig. 1). With

intensive development of agriculture and industry

in this densely populated area since the 1950s,

especially since 1978, untreated or partially trea-

ted wastewater from industry, agriculture and

sewage increasingly has been discharged into Lake

Taihu, which induced degeneration of lake ecol-

ogy and water quality. The quality of Lake Taihu
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water degraded 2–3 levels from the 1970s to 1990s

(Lu, 1998), which caused about 1 billion RMB

economic loss per year during the late 1980s,

accounting for 3.12% of the local GNP (Ge, 1992).

As one of many environmental problems in

Lake Taihu, heavy metal pollution has drawn

great attention in recent years. A few studies have

been conducted on heavy metal pollution of

surface sediments (Dai & Sun, 2001; Qu et al.,

2001; Yuan et al., 2002a), which mainly address

heavy metal total concentration. However, work

on chemical fractionation of heavy metals and

pollution history of the sediments are rare (Wang

et al., 2002; Rose et al., 2004). There is a lack of

systemic investigation on distribution and chem-

ical forms of heavy metals in sediment cores,

which are an important record of historical

pollution, biogeochemical recycling and toxicity

for heavy metals (Luoma, 1983).

In the present study, two sediment cores in

western Lake Taihu were obtained. Total concen-

tration of heavy metals and their chemical forms

deduced from the BCR method (proposed by the

Community of the European Bureau of Reference)

(Quevauviller et al., 1997) in the sediment cores are

presented. The aim of this study is to understand

geochemical characteristics of the heavy metals and

pollution features in the sediments and their corre-

lations with economic development and human

activities in the Lake Taihu catchment.

Material and methods

Sample collection

According to sedimentary features and the degree

of pollution in the sediments (Sun & Huang, 1993;

Qu et al., 2001), two sediment cores (MS and

DLS) were obtained in northern and southern

Lake Taihu, respectively, in October 2002 using a

gravity corer (Fig. 1). The sediment exhibited no

bioturbation and can be used to reconstruct

environmental evolution. Sediments were sliced

into sections at 0.5 cm intervals. Samples were

freeze dried using a LABCONCO freeze drier.

Physical and chemical data from the upper 13 and

7 cm sediments for Cores MS and DLS, respec-

tively, were used.

Analysis methods

TOC concentration in samples was determined

using a CNHO-S elemental analyzer (Leeman

Company). Particle size was measured with a

Mastersizer–2000 laser diffraction particle size

analyzer (Malvern Instruments Ltd.). Analysis

errors for experiments were within ±5%.

For heavy metal analysis, the HCl–HNO3–HF

digestion method was applied. About 125 mg of

sediment, ground in an agate mortar to pass 100-

lm sieve, was digested with 6.0 ml HNO3, 0.5 ml

HCl, and 3.0 ml HF at 180 ± 5�C for 15 min in a

microwave oven (Berghof MWS–3 Digester).

Residue was dissolved with 0.5 ml HClO4 by

braising in a heating block at <200�C and diluted

to 25 ml with double-distilled deionized water.

The solution was analyzed for heavy metals and

major elements using inductively coupled plasma-

atomic emission spectrometry (ICP-AES).

Chemical fractionations of Cu, Fe, Mn, Ni, Pb

and Zn were determined using the BCR sequen-

tial extraction procedure (Quevauviller et al.,

1997; Tokalioğlu et al., 2000) (Fig. 2). Only the

three extractable fractions (exchangeable-carbon-

ate, Fe–Mn oxide, and organic-sulfide fraction)

were analyzed. Heavy metals concentrations in

the extracted solution were analyzed by ICP-

AES.

Sediments were dated using the 137Cs methods

described by Rosales-Hoza et al. (2003).

Fig. 1 Location of Lake Taihu and core site
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Accuracy of heavy metals analysis method

Four parallel analyses of standard sediment

reference material (GSD–9 from Institute of Geo-

physical and Geochemical Exploration, Chinese

Academy of Geological Sciences) were conducted

to verify the accuracy of the heavy metal digestion

method. Themaximumerror of all resultswas <3%

of the standard value, showing that the HCl–

HNO3–HF digestion method and ICP-AES anal-

ysis have reasonable precision and reproducibility.

Three lacustrine samples from Lake Taihu were

measured in parallel analyses to verify the accuracy

of the BCR procedure due to the lack of suitable

standard referencematerial. Blanks were also used

for background correction. Results are shown in

Table 1. Maximum errors of the results are within

10%, except 23.0 and 18.6% for the exchangeable-

carbonate and organic-sulfide fractions of Pb in

samples MS–5 and TH-2, respectively, and 24.4%

for theFe–Mnoxide fraction ofZn in sampleMS-5.

Errors for Pb and Znmay be related to contamina-

tion of certain procedure during the sequential

extraction process, such as losing of the liquid

during shaking etc (Tokalioğlu et al., 2000).

Fig. 2 Heavy metals sequence extraction procedure of
BCR method

Table 1 Error analysis of BCR sequential extraction method for sedimentary samples of Lake Taihu

Elements MS-5 TH-1 TH-2

AC S.D. CV ME AC S.D. CV ME AC S.D. CV ME

Cu F1 3.05 0.07 2.19 2.52 2.01 0.05 2.35 2.71 3.54 0.03 0.75 0.85
F2 3.62 0.01 0.16 0.18 2.97 0.05 1.52 1.57 3.21 0.14 4.21 4.36
F3 5.28 0.16 3.08 3.35 5.05 0.12 2.28 2.31 10.0 0.30 3.00 3.35

Fe F1 250 10.4 4.17 4.79 595 14.2 2.38 2.45 1590 17.4 1.10 1.17
F2 5070 41.2 0.81 0.90 5570 66.7 1.20 1.23 8390 246 2.93 3.38
F3 989 53.4 5.40 5.81 1310 46.7 3.55 3.77 2190 175 7.99 8.52

Mn F1 302 4.48 1.48 1.71 192 2.78 1.45 1.52 823 4.34 0.53 0.59
F2 92.1 3.10 3.37 3.83 49.3 0.50 1.01 1.11 208 4.01 1.93 1.97
F3 36.2 1.35 3.73 4.09 33.1 1.00 3.03 3.37 64.8 4.74 7.31 7.32

Ni F1 3.39 0.06 1.62 1.67 2.10 0.07 3.45 4.00 2.96 0.01 0.39 0.45
F2 4.00 0.06 1.38 1.58 2.86 0.06 1.92 2.21 3.49 0.19 5.48 6.11
F3 4.59 0.11 2.30 2.40 3.46 0.04 1.17 1.35 4.12 0.06 1.38 1.54

Pb F1 1.59 0.34 21.3 23.0 0.82 0.07 8.15 9.89 0.42 0.00 0.81 0.55
F2 8.97 0.51 5.72 6.39 3.74 0.08 2.09 2.41 2.96 0.09 3.04 3.04
F3 14.19 0.51 3.62 4.13 9.08 0.24 2.59 2.61 11.9 1.95 16.41 18.6

Zn F1 12.3 0.56 4.56 5.19 3.27 0.07 2.04 2.21 4.12 0.15 3.52 3.56
F2 16.8 3.59 21.4 24.4 4.48 0.12 2.60 2.83 5.49 0.20 3.70 4.25
F3 9.10 0.48 5.30 5.86 3.68 0.33 8.89 9.96 6.40 0.21 3.21 3.28

AC, average content (mg kg–1); S.D, standard deviation; CV, coefficient of variation; ME, maximum error

F1, exchangeable-carbonate fraction; F2, Fe–Mn oxide fraction; F3, organic-sulfide fraction
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Due to good precision and reproducibility for

the digestion and BCR methods, the residue

fraction concentration of heavy metals can be

represented by the difference of total concentra-

tion and extractable fractions of each heavy

metal.

Results

Dating results

The chronological framework of Cores MS and

DLS were determined by 137Cs dating. Average

sedimentation rates were 1.7 mm year–1 and

0.9 mm year–1, respectively, for the two cores

(Liu et al., 2005). These results are similar to

those from other researchers (Sun & Huang,

1993). The ages for Core MS and DLS are shown

in Fig. 3.

Heavy metals, grain size and TOC in Cores

MS and DLS

Grain size and TOC in the cores are shown in

Fig. 3. Sediments were dominated by silt (4–

64 lm) and clay (<4 lm). The grain size becomes

finer gradually from 14 to 4 cm depth and coarser

from 4 cm to the surface in Core MS; and it

becomes finer gradually from 7 to 2.5 cm and

coarser from 2.5 cm to the surface in Core DLS.

TOC content was <2% for most of the surface

sediments (Sun & Huang, 1993). TOC was around

0.62–1.35% in Cores MS and DLS and increases

near the surface (Fig. 3).

Concentrations of the major elements (Al, Mg,

K and etc) increased from 14 to 4 cm and

decreased from 4 cm to the surface in Core MS,

having consistent variation with the finer fraction

(clay and fine silt). For Core DLS, major elements

increased from 7 to 2.5 cm and decreased from

2.5 cm to the surface, also having consistent

variation with the finer fraction.

Heavy metals, such as Mn, Ni, Pb and Zn, also

had similar variation patterns as major elements

in the 14–4 cm interval for Core MS, and

7–2.5 cm for Core DLS, except for higher Mn

and Fe in the middle part of the core. In contrast

to major elements and the finer fraction, heavy

metals generally increased in the top 4–0 cm and

2.5–0 cm for the two sediment cores.

Chemical forms of heavy metals in Cores MS

and DLS

Chemical fractionation compositions of Cu, Fe,

Mn, Ni, Pb and Zn determined by BCR are

illustrated in Fig. 4. Cu, Fe, Ni and Zn were

Fig. 3 The variation of grain size (%), heavy metals (mg kg–1) and TOC (%) in Cores MS and DLS
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concentrated in the residue fraction, and average

percentages were 72.9%, 75.6%, 62.9% and

69.7% in Core MS, and 77.8%, 85.4%, 72.9%

and 73.3% in Core DLS, respectively. Mn was

present in the exchangeable-carbonate fraction,

and its percentages were 48.9 and 44.3% in Cores

MS and DLS, respectively, whereas Pb was

present in both the Fe–Mn oxide fraction and

organic-sulfide fraction.

Percentages of extractable fractions of Cu, Mn,

Ni, Pb and Zn, including exchangeable-carbonate,

Fe–Mn oxide and organic-sulfide fractions, had a

consistent variation in the vertical sequence for

both cores, which were stable at 14–4 and

7–2.5 cm, but increased from 4 to 0 cm and from

2.5 to 0 cm for Cores MS and DLS, respectively

(Fig. 4). The percentages of extractable fractions

of Cu, Mn, Ni, Pb and Zn in the top 4 and 2.5 cm

Fig. 4 The chemical fractionation percentages of Cu, Fe, Mn, Ni, Pb and Zn in the sediments of Cores MS and DLS (with
1.5 cm interval)
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of Cores MS and DLS increased 0.5–17.8%

comparing with that in the deeper layers

(Fig. 5). The average percentage of Pb, Ni, Cu,

Zn and Mn in the organic-sulfide fraction were

35.8%, 13.5%, 10.3%, 9.3% and 6.8% in Core

MS, and 32.3%, 8.7%, 7.9%, 7.6% and 5.9% in

Core DLS.

Discussion

Pollution features of the surface sediment

There are two main sources for heavy metals in

sediments: natural sources and anthropogenic

sources. Heavy metals content commonly has

good correlation with major elements and finer

fractions in unpolluted sediments, but human

pollution can alter this relationship (Abraham,

1998; Covelli & Fontolan, 1997). Therefore,

variation patterns of major elements, heavy met-

als and their correlation with grain size compo-

sition can be used to evaluate heavy metals

pollution (Rubio et al., 2000). Al, Fe, Mg and K

mainly come from natural versus anthropogenic

sources and can be used as reference elements for

heavy metal pollution evaluation (Covelli &

Fontolan, 1997; Soto-Jiménez & Páez-Osuna,

2001).

Heavy metals in surface sediments of Core MS

and DLS and the other 12 sites from Qu et al.

(2001) were analyzed for spatial distribution of

heavy metals in Lake Taihu. Contents of Fe, Mg

and other major elements in the sediments of the

14 sites are similar, but Cu, Mn, Ni, Pb and Zn in

the sediments of sites 1–5 have higher concentra-

tions versus Fe and Mg (Al and K not determined

at sites 1–13) than other sites (Fig. 6). Concen-

trations of the three extractable fractions of Cu,

Ni and Zn in surface sediments also were higher

in the northern lake compared with other areas

(Wang et al., 2002). These indicate that sediments

in northern Lake Taihu, such as Meiliang Bay and

Wuli Bay, are polluted with heavy metals. Pollu-

tion in the southern lake is much lighter (Qu

et al., 2001; Wang et al., 2002). Larger amounts of

waste water with higher concentrations of heavy

metals from industries in Changzhou and Wuxi

discharged into Wuli and Meiliang Bays via the

Zhihugang and Liangxihe is the source of heavy

metal pollution in the northern Lake Taihu

(Huang et al., 2001; Qu et al., 2001).

Geochemical features of the core sediment

For total heavy metal concentrations, Cu, Mn, Ni,

Pb and Zn have similar variation with major

elements (Al, Mg and K) and finer fractions

before the late 1970s. However, there is a sharp

Fig. 5 The increased percentages of Cu, Mn, Ni, Pb and
Zn in extractable fractions in the top 4 and 2.5 cm of Cores
MS and DLS compared with that in the deeper layers

Fig. 6 The relative concentration of heavy metals in each
site compared with the average of the 14 sites of Lake
Taihu surface sediments (the data of site 1–13 from Qu
et al., 2001)
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contrast between Cu, Mn, Ni, Pb and Zn with

major elements and finer fractions after the late

1970s for Cores MS and DLS. This indicates that

heavy metals in the upper sediments may come

primarily from anthropogenic sources (Covelli &

Fontolan, 1997; Abraham, 1998). High content of

Fe and Mn in the lower part of Core DLS may be

related to redox conditions since little industrial

waste water was discharged into southern Lake

Taihu during the 1950s.

Chemical fractionation compositions of Cu,

Fe, Mn, Ni, Pb and Zn were similar for both

cores, and similar to those in surface sediments

(Wang et al., 2002), but different from other

sediments (Tokalioğlu et al., 2000; Tüzen, 2003).

Percentages of exchangeable-carbonate fraction

of Cu, Fe, Ni, Pb and Zn were <10% and are

influenced by physico-chemical properties of the

sediments. The exchangeable fraction of heavy

metals in sediments generally is low and has

little contribution to the percentage of the

exchangeable-carbonate fraction (Alvarez et al.,

2001). The percentage of the exchangeable-

carbonate fraction mainly is influenced by

adsorption quantity of the carbonate fraction

since the carbonates in sediments contain signif-

icant heavy metals (Tokalioğlu et al., 2000).

However, the carbonate content of Lake Taihu

is low (Yuan et al., 2002b), which may explain

the relatively low percentage of the exchange-

able-carbonate fraction of Cu, Fe, Ni, Pb and Zn

in the sediments. But, the percentage of Mn in

the exchangeable-carbonate form was up to

40.9–57.9% (Wang et al., 2002). This may be

related to the chemical features of Mn (Liu

et al., 1984; Tokalioğlu et al., 2000). Mn can

easily be adsorbed on the surface of fine gran-

ules than other ions; the oxidation of Mn2+ is

more relaxed than Fe2+ and can be precipitated

until higher pH (8.5–10), which is 1ower than 8.1

in Lake Taihu sediments (Sun & Huang, 1993).

So Mn can be easily associated with carbonates

(Liu et al., 1984). Another feature is that the

radius of Mn2+ (0.91) is similar to that of Ca2+

(1.08) and Mg2+ (0.8), so the replacement of

Ca2+ and Mg2+ by Mn2+ is easier. A1l these may

be the reasons for higher Mn content in the

exchangeable-carbonate forms in the sediments.

The Fe–Mn oxide fraction of heavy metals,

particularly those bound by Fe–Mn oxide or

precipitated as hydroxide, is an electrovalent

bond form and can be re-released into the water

under reductive conditions. The average per-

centage of Cu, Fe, Mn, Ni and Zn in this fraction

is 10–19.4%, but Pb is as high as 34.2%. The

carbonate form of Pb is loosely bound and may

change with environmental conditions (Li et al.,

2001), but it can form compounds with Fe–Mn

oxide easily. The higher content of Pb in the

Fe–Mn oxide fraction in Lake Taihu sediment

versus others (Tokalioğlu et al., 2000; Tüzen,

2003) may be related to the better oxidative

environment in Lake Taihu sediments. The

relationship between Cu, Ni, Pb, Zn of the

Fe–Mn oxide fraction and content of Fe and Mn

in the Fe–Mn oxide fraction are presented in

Table 2. Ni, Pb and Zn display significant cor-

relation with Mn for Core MS, and Cu, Pb and

Zn also show good correlation with Mn for Core

DLS. No significant relationship between Ni, Pb,

Zn and Fe were found. This is consistent with

(Oakley et al., 1981), where hydrous Mn oxides

Table 2 Correlation coefficients of the heavy metal chemical forms and with TOC

Correlation coefficients Core MS Core DLS

Cu Mn Ni Pb Zn Cu Mn Ni Pb Zn

r1 –0.77* 0.04 0.24 –0.52 –0.41 –0.25 –0.12 0.33 –0.07 0.08
r2 0.42 1.00 0.89** 0.77* 0.85** 0.87 1.00 –0.03 0.89 0.95*

r3 0.74 0.81** 0.89** 0.90** 0.81** 0.80 0.68 0.76 0.77 0.94*

** Correlation is significant at 0.01 level; *Correlation is significant at 0.05 level

r1, the correlation coefficients of Fe–Mn oxide fraction concentrations of Cu, Mn, Ni, Pb, Zn and that of Fe

r2, the correlation coefficients of Fe–Mn oxide fraction concentrations of Cu, Mn, Ni, Pb, Zn and that of Mn

r3, the correlation coefficients of organic-sulfide fraction concentrations of Cu, Mn, Ni, Pb, Zn and TOC
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exhibited more extensive isomorphic substitution

than amorphous Fe oxides and showed greater

conditional equilibrium constants for heavy met-

als than Fe oxides.

Heavy metals bound with sulfide can be re-

released into the water under oxidizing condi-

tions. Sulfide in Lake Taihu sediments is low due

to seasonal variation of redox conditions and the

generally weak oxidation or reduction conditions

in surface sediment (Sun & Huang, 1993). The

correlation between TOC and the organic-sulfide

fractions of Cu, Mn, Ni, Pb and Zn was high for

both cores (Table 2). This indicates that contents

of the organic-sulfide fraction of Cu, Mn, Ni, Pb

and Zn are influenced mainly by organic content

in Lake Taihu. In aquatic systems, organic matter

exhibits high selectivity for divalent ions. The

average percentages of Pb, Ni, Cu, Zn and Mn in

the organic-sulfide fraction are consistent with

the order of binding strength for metal ions

onto organic matter (Cu > Pb > Ni > Zn > Mn)

(Föstner & Wittmann, 1988). Copper mainly

exists in sulfide form in nature (Li et al., 2001;

Hlavay & Polyák, 2002), and the low percentage

in the organic-sulfide fraction in the cores may be

due to low sulfide content.

Seasonal variation of redox conditions be-

tween weak oxidation or reduction and mineral-

ization of organic matter in Lake Taihu surface

sediment can influence the chemical forms of

heavy metals in the exchangeable-carbonate,

Fe–Mn oxide and organic-sulfide fractions (Saeki

et al., 1993; Tack et al., 1996). Higher content of

the extractable fractions of Cu, Mn, Ni, Pb and

Zn in the upper part of the sediment may have

potential toxicity. The ratio of SEM (amount of

simultaneously extracted metals when AVS is

extracted) to AVS (acid volatile sulfides, the

concentration of sulfide extracted by 1 M cold

hydrochloric acid) can be used to evaluate heavy

metals toxicity in sediments (Edward, 1998; Li

et al., 2004). SEM/AVS in northern Lake Taihu

sediment ranges from 1.3 to 5.9, so heavy metals

have potential toxicity (Edward, 1998; Li et al.,

2004). This also indicates that, although the

organic-sulfide fraction of the heavy metals

mainly is influenced by organic content, sulfide

also has some influence on heavy metal activity

due to seasonal variation of redox conditions at

the water-sediment interface.

Pollution history of the sediment

Chemical fractionation of heavy metals in the

cores also can be used to evaluate pollution in the

lake. Extractable forms of heavy metals from

anthropogenic sources have a higher proportion

of heavy metal content than natural sources

(Föstner & Wittmann, 1988; Li et al., 2001).

Lower concentrations and percentages of extract-

able forms of Cu, Mn, Ni, Pb and Zn in sediments

before the late 1970s suggests that heavy metals

mainly came from natural sources, which is

consistent with underdeveloped industry in the

catchment; higher ones in recent years suggest

that heavy metals were anthropogenic partially.

Wuxi is a typical city representative of eco-

nomic development in the catchment. The gross

domestic product of Wuxi increased annually by

30% since the 1980s, accompanied by a large

amount of waste water discharge. The main

industries in the region are chemical, paper,

textile, leather and electroplating, which account

for 93.8% of the wastewater discharge (Huang

et al., 2001). Wastewater from the industries may

be the main source of Cu, Mn, Ni, Pb and Zn in

the sediments. Pollution history in the two cores is

coincident with distinct heavy metals pollution in

Meiliang Bay (Rose et al., 2004). Pollution his-

tory of heavy metals recorded in the sediments of

Lake Taihu also is consistent with rapid economic

development characteristics of the Taihu lake

catchment.

Conclusion

Cu, Mn, Ni, Pb and Zn have higher content in

surface sediments of northern Lake Taihu and

were anthropogenic more than other areas of the

lake. The main chemical form for Cu, Fe, Ni and

Zn in the sediments was the residual fraction. Mn

is mainly present in the exchangeable-carbonate

and residue fractions. The organic-sulfide and

Fe–Mn oxide fractions were important for Pb.

Organic matter and Mn in the Fe–Mn oxide
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fraction play an important role in binding heavy

metals in the sediments. High concentrations of

Cu, Mn, Ni, Pb and Zn, and their extractable

fractions in recent sediments indicate that heavy

metals were anthropogenic and have potential

toxicity. Heavy metals pollution history was

recent for both cores, which coincides with rapid

economic development in the Taihu catchment.
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Vegetation and soil properties in restored wetlands
near Lake Taihu, China
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Abstract Riparian wetlands are important com-

ponents of the lake ecosystem, and they play

essential roles in maintaining system health.

Remediation of degraded lakeshore wetlands is

an essential component of lake restoration. A

study was conducted to investigate the restoration

of lakeshore wetlands, which were converted to

rice fields and then abandoned for 2, 5, 10 and

15 years, near Lake Taihu. Soil samples (0–20 cm

and 20–40 cm) were taken and plant species were

investigated. The carbon content in the soil had

increased significantly, rising from 0.71% to

1.85% between 2 and 15 years. Organic matter

accumulation improved soil texture, and water

stable aggregate content (>0.25 mm) and soil

porosity increased. Total nitrogen in the soil

increased from 0.06% to 0.13%, and total Kjel-

dahl nitrogen increased from 124.4 mg kg–1 to

351.5 mg kg–1. Total phosphorus in the soil

increased from 0.045% to 0.071%, and the

Olsen-P value increased from 5.13 mg kg–1 to

16.0 mg kg–1. Results showed that phosphorous

did not increase as much as nitrogen. In the

vegetation restoration process, plant species com-

position moved towards a natural wetland com-

munity, and spatial heterogeneity and landscape

diversity increased. The richness of plant biodi-

versity increased rapidly in the first 2 years, then

more slowly in later restoration stages. The

wetlands recovery process may be complicated

by interactions of biota and soil and hydrological

conditions.

Keywords Lakeshore � Wetlands �
Restoration � Dynamics � Process �
Vegetation � Soil nutrients � Lake Taihu

Introduction

Eutrophication in lakes and reservoirs is a world-

wide environmental problem (Vollenweider,

1992), particularly since the 1980s in China due

to rapid economic development (Jin et al., 1990).

Riparian wetlands are important components of

the lake ecosystem, and they play essential roles
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for maintaining system health (Naiman & Dé-

camps, 1997). These wetlands are effective buf-

fers, retaining water and nutrients, improving

water quality, and providing diverse and dynamic

habitats for wildlife (Naiman et al., 1994; Yin &

Lan, 1995; Tabacchi et al., 1998; Coveney et al.,

2002). Therefore, remediation and restoration of

lakeshore wetlands is an essential component of

lake restoration.

Due to historical lack of recognition of the

ecological value of riparian wetlands, many wet-

lands were destroyed in the last 50 years. Most of

the destruction is a result of conversion to

agriculture and other economic uses (National

Bureau of Statistics of China, 2001; Chen & Chen,

2002). Approximately 160 km2 of riparian areas

are cultivated along Lake Taihu (Hu & Jiang,

2004; Xiong, 2004). Losing the buffering capacity

of riparian zones enhanced eutrophication, and,

in recent years, wetland restoration has been

implemented extensively in China (Chen, 2001).

Hydrology, soil, and vegetation are intercon-

nected components of wetlands and undergo

dynamic changes during restoration. This paper

describes soil and vegetation changes in the

riparian wetlands and discusses the effectiveness

and feasibility of natural restoration. This infor-

mation will be useful for future wetland restora-

tion efforts.

Study area, materials and methods

Description of study area

The study area is located at the lakeshore of

northeast Lake Taihu. The land in this region is

flat with adjacent undulating steep hills. Natural

riparian wetlands were changed into paddy fields

and other agricultural uses from the 1960’s to

1980’s. After 1988, with a local policy for pro-

tecting the lake and an increase in labor costs,

some paddy fields were abandoned. Vegetation

recolonized these paddy fields, and the weir was

destroyed, allowing water to move freely into the

wetlands. In investigation years 2003 and 2004,

the lake water table was low, so the wetlands were

not inundated.

Field investigation and sampling

Experiment design

Five sections of paddy fields, with an area

~0.15 ha and an age series of 2-, 5-, 10-, and 15-

years since abandonment, and a reference wet-

land were selected in the riparian areas of Lake

Taihu in the Dafu Town of Wuxi (Fig. 1). Since it

was difficult to find an undisturbed natural wet-

land as a reference site, an uncultivated and less

disturbed 30-year old riparian wetland was cho-

sen. All of the abandoned lands in the study areas

were flat and subject to similar hydrological

conditions. The age of abandoned sites were

Wr

W15

W2

W5

W5

W10 

  Lake Taihu   

Fig. 1 Map of the distribution of restored wetlands in the
studied area in Lake Taihu. Numbers refer to the numbers
of years after they were abandoned as rice fields. W
indicates wetland, and Wr indicates reference wetland
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determined from field surveys and interviews with

local landowners. Each wetland was numbered

according to the time since abandonment as

paddy fields (e.g. W5 indicates a wetland in its

fifth year or growing season since abandonment

as a paddy field). Wr means reference wetland.

Investigation and measurement of restored

vegetation

Vegetation plays a critical role in wetland resto-

ration and may indicate wetland value and

function. In 2003 and 2004, four vegetation

investigations were conducted in five different

wetlands. Belts were identified according to

vegetation characteristics. Six 1 · 1 m quadrats

were chosen randomly in each wetland belt.

Species, coverage, diversity and biomass were

recorded in each quadrat every three months

from March to October. Six 0.5 · 0.5 m quadrats

also were chosen for ratio analysis of biomass

between upland and low land parts in the same

season. Height and density of the dominant

vegetation were measured in three of these

quadrats selected at random (Song, 2001). Data

on hydrology, vegetation, soil and other condi-

tions in the study area were collected as refer-

ence.

Soil analysis

Soil was collected from five wetlands in different

stages of restoration. Three to five sample sites

were selected in each vegetation belt. The soil

profile was divided into two horizontal layers: 0–

20 cm and 20–40 cm, and five samples were

collected at each sampling site. Soil samples were

air-dried and hand-sieved through a 20-mesh

sieve screen to remove roots and debris. Sieved

soil samples were sealed in a plastic bag for pH,

biologically available N, and Olsen-P analysis.

Remaining soil was crushed and sieved through a

100-mesh sieve screen, then stored for soil organic

matter (SOM), total N (TN), and total P (TP)

analysis. Soil bulk density and porosity were

evaluated with a cutting ring. All soil samples

were analyzed with standard methods for soil

analysis (Soil Science Society of America and

American Society of Agronomy, 1996).

Statistical analysis

Locating sites abandoned for different periods of

time but similar characteristics is difficult. There-

fore, data interpretation techniques for the four

durations of abandonment were used. While the

experiments were pseudo-replicates, the distance

between sampling sites was sufficient to ensure

adequate variation within each site.

Similarities among communities at each site

and the reference natural wetland were deter-

mined using the Sorensen similarity coefficient

(SC) (Song, 2001) calculated as SC = 2x/(a + b),

where x is the number of species found in both

the natural and a given abandoned site; a is the

total number of species found in the reference

natural wetland, and b is the total number of

species found in a given abandoned site. SAS

software was used to analyze experimental data,

and all significant differences are at a probability

of 0.05 or less, unless otherwise noted.

Results

C, N, and P changes in restored wetlands soil

An increasing trend was observed for TOC,

TN, KN, TP, and Olsen-P content along the

succession gradient defined by 2-, 5-, 10-, and

15-year-old paddy field abandonment sites and

the reference wetland. TOC ranged from 0.73%

to 2.76% in the 0–20 cm layer and 0.31–0.46% in

the 20–40 cm layer (Fig. 2). There was lower

Fig. 2 Changes of soil Organic C in different restored
wetlands
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TOC content in the 2- to 5-year periods and

higher content in the 10- to 15-year period and lay

obvious accumulation of TOC at 0–20 cm layer.

One-way ANOVA showed a significant differ-

ence in the 0–20 cm layer, but not in the 20–40 cm

layer.

TN and KN ranged from 0.039% to 0.098%

and 124.35 mg kg–1 to 351.48 mg kg–1, respec-

tively, in the 0–20 cm layer and 0.020–0.044% and

52.5–83.1 mg kg–1, respectively, in the 20–40 cm

layer (Fig. 3). There lay while an obvious

decrease trend of TN content in the earlier

restoration periods and an increase trend in the

later restoration period. One-way ANOVA

showed significant difference in KN in the 0–

20 cm layer, and no significance difference in the

20–40 cm layer or TN in either layer.

TP and Olsen-P ranged from 0.046% to

0.070% and 5.13 mg kg–1 to 15.99 mg kg–1,

respectively, in the 0–20 cm layer and 0.031–

0.037% and 1.87–5.57 mg kg–1, respectively, in

the 20–40 cm layer (Fig. 4). One-way ANOVA

analysis showed no significant difference in

Olsen-P and TP in both 0–20 cm layer 20–40 cm

layer. The results showed that although the

content of TP and Olsen-P indicate an increasing

trend, there were no significant change of TP and

Olsen-P in restored wetlands in all.

Soil nutrient (TN, TP, TOC, KN, and Olsen-P)

concentrations were lower in the 20–40 cm layer

than the 0–20 cm layer. This indicates that nutri-

ents are stored primarily in recent sediment

deposits.

Fig. 3 Changes of soil total N and K N in different
restored wetlands

Fig. 4 Changes of total P and Olsen-P in different
restored wetlands

Table 1 Changes of soil bulk density, porosity and water
stable aggregate content in different restored wetlands in
Lake Taihu, East China

Time
abandoned

Soil bulk
density

Soil porosity
(%)

WSA
(>0.25 mm)

2 years 1.06 g cm–3 59.9 20.2%
5 years 0.87 g cm–3 71.2 30.6%
10 years 0.74 g cm–3 72.0 44.3%
15 years 0.74 g cm–3 72.0 54.8%
Reference
wetland

0.58 g cm–3 77.9 57.1%
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Soil texture changes in restored wetlands

Table 1 shows soil bulk density, soil water con-

tent, and soil porosity along the succession

gradient defined by paddy fields abandoned for

2, 5, 10, and 15 years and the natural reference

wetland. Soil bulk density ranged from 0.58 g cm–3

to 1.06 g cm–3 with a decreasing progression with

time abandonment. During the wet season, water

content increased from 50% to 300% along the

succession gradient. In the dry season, land that

had been abandoned longer had more water than

more recently abandoned paddy fields. There also

was an increase in soil water stable aggregates

(>0.25 mm) in abandoned paddy fields along the

succession gradient, and the proportion of large

water stable aggregate at later stages was higher

than earlier stages of succession. These results

indicate that restoration of abandoned paddy

fields improves soil quality and texture.

Vegetation changes in restored wetlands

Dominant plant species changed in the first

10 years after the paddy fields were abandoned

(Table 2). In the first 2 years, abandoned land

became covered by a plant community dominated

by Poa annua, Humulus scandens, Gynura crep-

idioides, and Glgcine sojasieb. This situation was

Table 2 The species colonized after rice fields abandon-
ment

Species Length of
land
abandonment
(years)

Natural
reference
wetland

2 5 10 15

Phragmites communis 0 1 1 1 1
Miscanthus
sacchariflorous

0 1 1 1 1

Zizania latifolia stapf L. 0 0 1 1 0
Cyperus iria L. 0 0 0 1 0
Eleocharis yakoscensis 0 0 1 0 0
Polygonum amphibium 0 0 0 1 0
Polygonum perfoliatum
L.

0 0 1 1 1

Juncus setchueusis Bush. 1 1 0 0 0
Murdannia triquetra
(Wall) Bruckn

0 1 0 0 0

Lycopus lucidus Turcz
var. hirtus Regel

0 1 1 1 0

Poa annua 1 1 0 0 0
Poa faberi Rendle 1 1 0 0 0
Glgcine sojasieb et Zucc 1 0 0 0 0
Solanum nigrum 1 0 0 0 0
Setaria viridis (L.) Beauv 1 1 0 0 0
Lactuca indica. L. 1 0 0 0 0
Artemisia
lavandulaefolia DC

1 1 0 0 0

Artemisia annua 0 1 0 0 0
Gynura crepidioides 0 1 0 0 0
Clematis 0 0 1 0 0
Humulus scandens 1 1 1 1 1
Bidens bipinata 0 0 1 1 1
Cocculus trilobus
(Thrund.) DC.

0 0 0 0 1

Rosa cymosa Tratt 1 1 1 0 0
Ampelopsis Michx 0 0 0 1 1
Sapium P. Br 0 0 0 0 1
Chinese Fevervine
scandens

0 0 1 1 1

Total number of species 10 13 11 10 9

y = 0.1382Ln(x) + 0.568

R  = 0.8615

restored years

2

Fig. 5 Similarity coefficient (SC) of vegetation in different
restored wetlands

Fig. 6 Changes of vegetation biomass in different restored
wetlands
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common in most abandoned paddy fields. During

the early stage of abandonment (2–5 years), the

number of plant species increased from 10 at the

2-year abandonment site to 13 at the 5-year site.

Dominant plant species were Humulus scandens,

Miscanthus saccharifloous, Lycopus lucidus Turcz,

Var. hirlus Regel, Poa annua, and Poa orinosae.

At the 5-year site, some wetland species, such as

Miscanthus saccharifloous, Zizania latifolia stapf,

and Polygonum amphibium, increased signifi-

cantly, but some annual and biennial species

and weeds still existed. After 5 years, some initial

annual species, such as Poa annua, Gynura

crepidioides, and Glgcine sojasieb declined. The

number of species decreased from 13 at 5-years to

10 and 9 in the 10- and 15-year fields, respectively.

Species composition after 15 years of abandon-

ment was similar to the reference wetland, and

Phragmites communis, Miscanthus saccharifloous,

and Zizania latifolia stapf were dominant. SC was

0.64 at the 2-year site and 0.94 at the 15-year site

compared with the reference wetland (Fig. 5).

There was a significant relationship between SC

and number of years since abandonment

(r2 = 0.8615). Dry biomass increased from

1270 g m–3 to 2100 g m–3 over the whole period

(Fig. 6). One-way ANOVA showed a significant

difference in dry biomass in wetland restoration,

although there was no significance difference

between W5 and W10. That showed there lay

an obvious trend of dry biomass in the wetland

restoration process. Plant community changes

after land abandonment suggest that vegetation

self-regenerates and species diversity recovers by

returning paddy fields or lakeshore land to a more

natural state.

Discussion

Riparian zones are critical in maintaining biolog-

ical connections along environmental gradients

(as indicated in Fig. 7). They reduce runoff from

upland and increase infiltration; they are a phys-

ical buffer to trap sediments and sediment-bound

pollutants; they are also a biological buffer to

remove nutrients via plant uptake.

Vegetation is important in riparian ecosystems,

and wetlands converted from abandoned paddy

field showed secondary succession. Height and

density of colonized plants increased along the

succession series. With longer abandonment time,

species composition increased in similarity and

stability and reflected functional characteristics of

a natural riparian wetland vegetation community.

Wetland species, such as Phragmites communis,

Miscanthus saccharifloous, and Zizania latifolia

stapf dominated in abandoned paddy fields and

Fig. 7 The sketch map of the function of riparian wetlands
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colonized gradually over 15 years. Other plant

species may be more competitive in other envi-

ronments (Cooper et al., 1987). Changes in the

similarity index and aboveground biomass indi-

cated an increasing trend during restoration.

Comparison of vegetation changes and related

indices between restored wetlands showed a

general trend towards a mature community or

ecosystem, which has also been observed in

terrestrial systems (Peng, 1995; Comin et al.,

2001). In this study, we observed that groundwa-

ter table fluctuation might limit riparian wetland

ecosystem succession. In some situations, only a

high groundwater table allowed abandoned

paddy fields or degraded wetlands to be restored

to natural riparian wetlands (Andrew & Baldwin,

2002; Castelli et al., 2000).

Soil restoration is important to consider in

evaluating wetland restoration. Results showed

that soil quality improved with time due to

accumulation of TOC, TN, TP, and improvement

of soil texture. Similar results were reported in

terrestrial ecosystems (Browman et al., 1990;

Peng, 1995; Kosmas et al., 2000; Comin et al.,

2001; Singh et al., 2001; Lee et al., 2002; Bruland

& Richardson, 2004, 2005). Soil pH in riparian

areas ranged from 4.90 to 5.28 in the 0–20 cm

layer and 5.68 to 5.92 in the 20–40 cm layer in

Fig. 5. In this study, TOC, TN, TP, KN, and

Olsen-P increased with time and eventually

reached similar concentrations to natural, undis-

turbed wetlands. Recovery of vegetation is key to

successful soil restoration.

The results suggest a faster increase for soil

TOC, KN, TP and Olsen-P in the early vegetation

succession stage followed by a slower rate in later

stages, while TN decreased in early stages. Nutri-

ent accumulation probably resulted from decom-

position of plant debris and retention of nutrients

from upland areas. The recovery of vegetation and

litter decomposition result in lower soil pH during

restoration and create a suitable environment for

soil C, N, P accumulation. Although nutrient

accumulation in riparian restoration may result in

leaching into lakes by subsurface flows, it is

negligible compared with controlling non-point

source pollution (Naiman & Décamps, 1997).

Low TOC accumulation in the early restora-

tion period mainly was due to high soil TN

concentration, which caused a higher decomposi-

tion rate of vegetation litter. The TN decrease

early in the succession period may be due to

growth of wetland vegetation, high nitrogen

fertilizer consumption in the paddy soil before

land abandonment, and ammonia volatilization

and denitrification. Results also showed that soil

TOC, TN, TP, KN, and Olsen-P increased

towards levels found in natural wetlands, but

restoration of degraded ecosystems likely would

need a long time to complete the process.

Vegetation restoration in Lake Taihu degraded

riparian wetlands probably takes 15 years or

more, and restoration of soil characteristics may

take more time. In comparison to other ecosys-

tems, restoration of degraded tidal wetlands

needs about 6 years (Comı́n et al., 2001). Craft

(2000) suggested that restoration of salt marsh

vegetation requires 15 years, and restoration of

soil C, N and bulk density needs 25 years.

Restoration of degraded pasture may require

30 years (Aronson et al., 1993; Grantz et al., 1998;

Li, 2003). Restoration of degraded forest ecosys-

tems may take 50–100 years (Peng, 1995).

Restored vegetation not only protects surface

soil from erosion and improves soil texture, but it

also traps nutrient-rich material carried by runoff

from uplands to riparian areas. Organic C, N and

P accumulation in soil facilitated dominant wet-

land species in later succession stages. Vegetation

restoration increased the roughness of land and

coverage. Improvement in soil texture increases

soil porosity and infiltration, facilitates accumu-

lation of soil nutrients, and provides a suitable

environment for microbe activity. Implications

are that more non-point source pollutants may be

treated in restored wetlands. It is expected that,

when water level reaches inundation conditions,

wetlands still remove pollutants, but is not a

pollution source to the lake.

Conclusions

Changing land use in abandoned paddy fields

may exert a profound influence on soil, vegeta-

tion, and the environment. With increasing

time, vegetation in abandoned fields increased

in the maturity of species composition and
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biomass. Results also showed that soil TOC,

TN, TP, KN, and Olsen-P improved with time.

Soil and vegetation facilitated one another in

the restoration process. It may take 15 years or

more for vegetation and soil characteristics to

reach levels in natural wetlands.
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between Microcystis aeruginosa and its attached bacterium
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Abstract Phosphorus release from Microcystis

aeruginosa and attached bacterium (Pseudomo-

nas sp.) isolated from Lake Taihu was examined

using a phosphorus isotope tracer in order to

investigate the phosphorus transference between

the two species. Our results reveal that the

amount of phosphorus released form 32P-satu-

rated M. aeruginosa is determined by its growth

phase and most of phosphorus is assimilated by

Pseudomonas finally while the amount of phos-

phorus released from 32P-saturated Pseudomonas

is also determined by the growth phase of M.

aeruginosa and most of them are assimilated by

M. aeruginosa. The results suggest that phospho-

rus transference occurs between M. aeruginosa

and its attached Pseudomonas . This process

makes microenvironment of mucilage of M.

aeruginosa attached bacteria maintain relative

high amounts of phosphorus. Attached bacteria

may be a temporary phosphorus bank to the

growth of M. aeruginosa, and assimilation of

phosphorus by M. aeruginosa becomes easy when

M. aeruginosa is in lag growth phase. Thus, the

phosphorus exchange between M. aeruginosa and

attached Pseudomonas in microenvironment may

be important to microfood web and cyanobacteria

bloom.

Keywords Microcystis aeruginosa � Attached

bacterium � Pseudomonas sp. � Phosphorus �
Lake Taihu � 32P release

Introduction

Microcystis aeruginosa is the dominant cyanobac-

terium in Lake Taihu, a shallow hypereutrophic

lake in eastern China with extensive cyanobacte-

rial algal blooms in summer and autumn (Dokulil

et al., 2000). M. aeruginosa forms large mucilag-

inous colonies, usually colonized by the great deal

of bacteria. There is a mutualistic relationship

between M. aeruginosa and attached bacteria

(Whitton, 1973). This symbiotic relation may be

favorable toMicrocystis cells (Steppe et al., 1996).

M. aeruginosa constitute a microhabitat where

attached bacteria are sheltered from grazing by

embedding in the mucilage. The microenviron-

ment allows attached bacteria to associate with
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the primary producer of organic carbon for its

growth. In this microenvironment, heterotrophic

bacteria are important: (1) as contributors of CO2

and possibly sources of nitrogen, phosphorus and

trace elements to M. aeruginosa; (2) as primary

consumers of algal excretions; and (3) as decom-

posers. Some bacteria may promote blooms while

others have algicidal and lysis effects and are

involved in termination and decomposition of

blooms (Caiola, 1991; Pellegrini et al., 1997;

Lovejoy et al., 1998; Van Hannen et al., 1999;

Manage et al., 2000; Manage et al., 2001). Thus,

the metabolic relationship of Microcystis with

attached bacteria is important for understanding

bloom dynamics.

Phosphorus is the major limiting nutrient for

primary producer, including M. aeruginosa in

Lake Taihu (Dokulil et al., 2000). Pilot studies

were conducted on the phosphorus metabolism of

M. aeruginosa and its attached bacteria, respec-

tively (Shi et al., 2003; Shi et al., 2004; Zou et al.,

2005). The information of interaction of cyano-

bacterium with its attached bacterium for phos-

phorus transference was little. In this paper, a

phosphorus isotope tracer was used to study

phosphorus uptake and release from M. aerugin-

osa and its attached bacterium, Pseudomonas,

to probe their interactions and phosphorus

transformation.

Materials and methods

Organism and cultivation

Microcystis aeruginosa was obtained from Insti-

tute of Hydrobiology, Chinese Academy of Sci-

ences. It was grown in the modified MA medium

(pH = 8.6) in which inorganic phosphorus was

replaced by b-Na2-glycerophosphate (Oh & Lee,

2000). Cultures were incubated at 25�C under

illumination intensity of 2200 lx with a 14:10 h of

light:dark cycle.

Pseudomonas sp. was isolated from the muci-

lage of Microcystis in Lake Taihu, China and

grown in complex medium: glucose 6.0; NH4Cl

1.0; NaCl 2.0; MgSO4�7H2O 0.2; K2HPO4 1.0;

KH2PO4 1.0; yeast extract 0.5 (all in grams per

liter of deionized water). pH was adjusted to

7.2–7.5 before the complex medium was auto-

claved.

Precultivation

This study was conducted with phosphorus-

starved M. aeruginosa, 32P-saturated M. aerugin-

osa, phosphorus-starved Pseudomonas and 32P-

saturated Pseudomonas. M. aeruginosa and Pseu-

domonas in exponential growth phase were har-

vested by centrifugation at 10,000g for 15 min

respectively, washed with sterile deionized water

and resuspended in MA medium without phos-

phorus. Phosphorus-starved cells were directly

obtained after incubation for 3 days. Phosphorus-

starved cells were collected by centrifugation and

transferred to MA medium in which b-Na2-

glycerophosphate was replaced with 12 mg l–1

Na2H
32PO4, then were incubated for 3 days to

obtain 32P-saturated cells of M. aeruginosa and

Pseudomonas respectively.

Transference of phosphorus from 32P-

saturated M. aeruginosa to Pseudomonas

Attachment of bacteria to M. aeruginosa muci-

lage made it difficult to measure 32P content in

bacteria cells or in cyanobacteria cells. Consider-

ing this difficulty, a dialysis membrane bag was

used to separate Pseudomonas from M. aerugin-

osa. However, low molecular weight substances,

such as phosphate and small organic compounds,

could move across the dialysis membrane.

Phosphorus-starved Pseudomonas cells were

harvested by centrifugation at 10,000g for 15 min,

and washed with sterile deionized water and

resuspended in a 500 ml beaker containing

200 ml MA medium without phosphorus to

1.0 · 107 cell ml–1. 32P-saturated Microcystis cells

were harvested by the same way except they were

resuspended in the dialysis bag to 5.2 · 106 cell

ml–1. This dialysis bag was put in the beaker so

then M. aeruginosa and Pseudomonas cells were

separated, while phosphate could migrate across

the dialysis membrane. They were incubated at

25�C under a 14:10 h of light:dark cycle.

In order to probe the change of intracellular

phosphorus, the cells of M. aeruginosa or Pseu-

domonas in certain volume were separated
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respectively via centrifugation at 10000 g for

15 min and rinsed several times with MA medium

until rinse solution radioactivity was close to

background. These cells were digested with

0.2 ml 60% HClO4 and 0.4 ml 30% H2O2 at

80�C for 60 min. Then, the digested liquids and

the upper aqueous solution separated by centri-

fugation were respectively put into scintillation

vials containing 5 ml Triton X-100 toluene scin-

tillator to analyze the radioactivity with a Beck-

man LS9800 liquid scintillation counter. Actual

phosphorus concentration was corrected using the

radioactive decay rate. All samples had three

replicates.

In order to measure the biomass of M. aeru-

ginosa and Pseudomonas, their optical densities

were measured with at 460 nm and 380 nm,

respectively. Then, the amounts of 32P in M.

aeruginosa or Pseudomonas were calculated.

Transference of phosphorus from 32P-

saturated Pseudomonas to M. aeruginosa

The experimental procedures were same as

described above except that phosphorus-starved

M. aeruginosa was incubated in a 500 ml beaker,

while 32P-saturated Pseudomonas was incubated

in dialysis bag.

Results

Transference of phosphorus from 32P-

saturated M. aeruginosa to Pseudomonas

The transference of phosphorus from M. aerugin-

osa to Pseudomonas was investigated in a culture

system of phosphorus-starved Pseudomonas and
32P-saturated M. aeruginosa which were sepa-

rated by a dialysis membrane (Fig. 1a). The

growth phases of M. aeruginosa comprised four

distinct phases of the lag (0–1 day), exponential

(1–4 day), stationary (4–6 day) and decline

phases (6–12 day) while the growth phases of

Pseudomonas was in the exponential phase. The

total 32P in Pseudomonas always increased

though the increase was slight for Pseudomonas

in initial 4-days. Because of the growth of

Pseudomonas and its incessant assimilation of

32P, the 32P content in Pseudomonas increased

after M. aeruginosa was in the stationary phase.
32P content in Pseudomonas increased to 50% of

the total 32P on the 12th day when M. aeruginosa

was in the decline phase.

During the whole experiment period, the

intracellular 32P content of M. aeruginosa de-

creased at all times. The 32P concentration in the

aqueous solution remained relative steadily from

the 1st day to the 9th day, then the sharp increase

happened because M. aeruginosa in decline

growth phase released a large amount of phos-

phorus to aqueous solution.

Transference of phosphorus from 32P-

saturated Pseudomonas to M. aeruginosa

Not only phosphorus could move from

M. aeruginosa to Pseudomonas, but also from

Fig. 1 The transference of 32P released from M. aerugin-
osa (a) and from Pseudomonas sp. (b) among water
column.
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Pseudomonas to M. aeruginosa. When phospho-

rus-starvedM.aeruginosawaspresent, partitioning

of 32P released from 32P-saturated Pseudomonas

was observed (Fig. 1b). The growth ofM. aerugin-

osa exhibited the lag phase (0–2 day), exponential

phase (2–9 day) and decline phase (9–12 day)

while Pseudomonas grew slightly at all times. Most

of 32P released from Pseudomonaswas assimilated

by M. aeruginosa.

Intracellular 32P content of M. aeruginosa

increased in the lag and exponential phases, but

decreased in decline phase which decrease of 32P

content inM. aeruginosa was due to the growth of

Pseudomonas though this decrease was not rapid.
32P concentration in the aqueous solution in-

creased in the first day and then remained relative

steadily in the following days.

Discussion

In this experimental system, phosphorus was

main factor for the growth of M. aeruginosa and

Pseudomonas and the latter was also controlled

by organic carbon. When the intracellular phos-

phorus content of M. aeruginosa was luxury, it

grew by utilization of the intracellular phosphorus

in its lag and exponential phases (Okada & Sudo,

1982), thus, only 20% of intracellular phosphorus

was released form M. aeruginosa to aqueous

solution and to Pseudomonas. However, M.

aeruginosa released a lot of phosphorus in its

stationary and decline phases while it could

simultaneously provide Pseudomonas with organ-

ic carbon and trace elements (Sommaruga &

Robarts, 1997; Worm, 1998; Brunberg, 1999).

Thus, the growth of Pseudomonas was better and

the assimilated phosphorus was more when M.

aeruginosa was in decline phase than that in

stationary phase.

After the amount of M. aeruginosa was low

enough, its second growth became possible. M.

aeruginosa could use phosphorus in Pseudomonas

to grow because Pseudomonas had a geat deal of

phosphorus which was assimilated from overripe

M. aeruginosa formerly (Fig. 1b). Compared with

the phosphorus transference form M. aeruginosa

to Pseudomonas, phosphorus movement form

Pseudomonas to M. aeruginosa was easy and a

great deal of 32P was assimilated byM. aeruginosa

in lag and exponential phases. When M. aerugin-

osa was in the decline phase, its intracellular 32P

then turned back to Pseudomonas again. This

process made soluble phosphorus in aqueous

solution stable. Thus, phosphorus released form

M. aeruginosa could store in attached bacteria

and Pseudomonas might be a temporary phos-

phorus bank to M. aeruginosa in the microenvi-

ronment for its growth.

Conclusion

Phosphorus transference from Pseudomonas to

M. aeruginosa occurs when M. aeruginosa is in

grow phase while phosphorus transference from

M. aeruginosa to Pseudomonas happens when M.

aeruginosa is in decline phase. Pseudomonas may

serve as a temporary phosphorus bank to M.

aeruginosa in the microenvironment. Thus, phos-

phorus transference between cyanobacteria and

their attached bacteria is decided by their growth

phases and phosphorus amount and this exchange

could keep an amount of phosphorus in the

microenvironment of cyanobacteria and their

attached bacteria which is important to microfood

web and cyanobacteria bloom.
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Abstract Phosphorus metabolism and growth of

M. aeruginosa were studied under three different

conditions of diel fluctuation in redox potential.

Redox potential in the culture increased in light

and decreased in dark in all treatments except

one, when cysteine was added in darkness. Total

phosphorus content inM. aeruginosa decreased in

darkness and increased in light during exponen-

tial growth but increased continuously in the

stationary phase. Conversely, polyphosphate

(PolyP) accumulated in darkness but was lost in

the light. Low redox potential in darkness pro-

moted PolyP accumulation. Polyglucose and sol-

uble orthophosphate may provide energy and

phosphorus, respectively, for PolyP synthesis.

PolyP was important to M. aeruginosa survival

during poor growth conditions. If the redox

potential difference in the dark/light cycle was

large, M. aeruginosa initially grew faster, but soon

lost viability.

Keywords Microcystis aeruginosa � Growth �
Phosphorus metabolism � Dark/light cycle �
Redox potential difference � Lake Taihu

Introduction

In Lake Taihu,Microcystis aeruginosa has formed

dense blooms in summer since the 1980s (Chen

et al., 2003). Due to oxygen-producing photosyn-

thesis, Microcystis usually are associated with

aerobic environments, and, consequently, physio-

logical characterization has focused on aerobic

metabolism. However, this characterization dis-

counts the possibility that they are found in

environments that are permanently anoxic or

become anoxic in the dark (Stal & Moezelaar,

1997).

Microcystis is colonial and possesses gas vacu-

oles, hollow proteinaceous bodies that provide cell

buoyancy. In Lake Taihu, when the water column

is stable, colonies accumulate at the surface and

form surface blooms. Wind may concentrate

colonies into dense ‘‘scums’’ on the leeward shore,

forming microbial mats, which may experience

periodic anoxia. During daytime, oxygenic photo-

synthesis leads to oxygen supersaturation. In the
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dark, cyanobacteria continue to respire, and

oxygen diffusion into the mat usually is insuffi-

cient to prevent anoxia (Revsbech et al., 1983).

Microbial mats exhibit diel oxygen fluctua-

tions due to cyanobacterial metabolism. In light,

these organisms grow photoautotrophically, while

Microcystis switches to chemotrophic metabolism

in dark, at the expense of endogenous glycogen

accumulated in light (Heyer & Krumbein, 1991).

However, a cohesive, overall pattern of dark

cyanobacteria metabolism has not emerged

(Richardson & Castenholz, 1987).

Phosphorus is a major growth-limiting nutrient

in aquatic systems, and, unlike nitrogen, there is no

large atmospheric source that is biologically avail-

able. All organisms require phosphorus for growth

and metabolism (Bostrom et al., 1988; Currie &

Kalff, 1984; Howarth, 1988). Phosphorus in micro-

algae is contained in internal phosphorus pools of

polyphosphate (PolyP), soluble orthophosphorus

(Pi), structural and other organic phosphorus (John

& Flynn, 2000). Cyanobacteria store inorganic

phosphate as PolyP granules (Bental et al., 1991).

However, little is known about phosphorus regu-

lation in cyanobacteria (Lawrence et al., 1998).

Previous studies have found that phosphorus

metabolism of M. aeruginosa may inhibit continu-

ous anaerobic dark conditions, which are unfavor-

able for M. aeruginosa growth (Shi et al., 2003).

M. aeruginosa retaining viability under dark

anaerobic/light aerobic cycles also may relate to

phosphorus metabolism. However, to our knowl-

edge, no studies on phosphorus metabolism of

M. aeruginosa under dark/light cycle with high

redox potential differences have been conducted.

Here, we studied phosphorus metabolism and

M. aeruginosa growth under diel fluctuations in

redox potential.

Materials and methods

Organism and cultivation

Axenic M. aeruginosa cultures were obtained

from the Institute of Hydrobiology of the Chinese

Academy of Sciences and grown in batch culture

in modified MA medium where inorganic phos-

phorus was replaced with b-Na2glycerophosphate

(Oh et al., 2000). Media were adjusted to pH 8.6

with 2 mol l–1 NaOH and incubated at 25�C
under 40 lE m–2 s–1 light intensity provided by

fluorescent lamps with a 14:10 h light/dark cycle.

M. aeruginosa density was counted on a micro-

scope with a 0.1 mm3 counter, and about 300 cells

were counted. Cell numbers were converted to

dry weight using a 1.32 · 10–7 mg dry weight per

cell (Johnston et al., 1994).

Experimental methods

Studies were conducted with M. aeruginosa cells

harvested during exponential growth. Cells were

washed twice and resuspended in the medium

described above (MA). Aliquots were transferred

to serum bottles with screw caps and a butyl

rubber inlayer. Bottles were wrapped in black

cloth and 0, 0.01, and 0.04% (m/v) cysteine

(reducing agent) were introduced through serum

caps with a syringe. After one day, all bottles

were unwrapped and serum caps were opened.

Then, M. aeruginosa was incubated under illumi-

nation intensity of 40 lE m–2 s–1 for another day.

The cycle then was repeated. Therefore, days 1, 3,

5 and 7 had air-tight dark cultivation periods with

different concentrations of cysteine, while days 2,

4, 6 and 8 were open light cultivation. All

experiments were carried out with triplicate

bottles. Cell density, polyglucose, PolyP and

soluble orthophosphate content in M. aeruginosa,

as well as phosphate concentration in the water,

were assayed daily. A microelectrode was used to

monitor initial and final redox potential.

Analysis

M. aeruginosa cells were harvested by centrifuga-

tion for physiological assay. Samples were digested

by autoclaving in 10% persulphate for 30 min at

121�C for total phosphorus measurement (Grillo &

Gibson, 1979). Orthophosphate in M. aeruginosa

was extracted with 10% cold trichloroacetic acid.

For PolyP, 40 ml of culture was centrifuged and

digested with 1 ml alkaline hypochlorite reagent

(5.4%) for 45 min at 25�C. Residue after centrifu-

gation was washed twice, then extracted twice with

distilled water. PolyP was precipitated with ethanol

andmeasured after hydrolysis to orthophosphate at
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100�C (Harold, 1963; Rao et al., 1985). Later, all

phosphorus forms were converted to orthophos-

phate, and all samples were measured spectropho-

tometrically with an automated ascorbic acid

reduction method (Greenberg, 1985). All phos-

phorus forms were expressed in milligrams of

phosphorus per unit dry weight (DW) for M.

aeruginosa. Polyglucose was extracted from cells,

harvested from 20 ml culture with 1 ml 10%

trichloroacetic acid, precipitated by adding three

volumes of alcohol, and determined using anthrone

reagent (Roe & Dailey, 1966).

Results

Redox potential decreased from 252 to 52 mV

with 0.01% cysteine and to –50 mV with 0.04%

cysteine at the beginning of the experiment

(Fig. 1). Redox potential increased in light and

declined in darkness in all treatments except the

first dark period. Average redox potential differ-

ences were 67 mV, 83.5 mV and 276 mV, respec-

tively, when 0, 0.01 and 0.04% cysteine were

added in darkness.

M. aeruginosa cell density increased in all

treatments, and high redox potential differences

in the diel cycle enhanced M. aeruginosa growth,

with maximum cell density reaching 7.5 ·
106 cell ml–1 on the 7th day and 7.8 · 106 cell ml–1

on the 5th day when adding 0.01% and 0.04%

cysteine in darkness, respectively (Fig. 2). Com-

pared with the control, M. aeruginosa had a short

growth period and lost viability after reaching

maximum cell density.

Phosphate concentration in the aqueous phase

increased in darkness and declined in light in all

treatments initially, but this pattern ceased on the

5th day, when cysteine concentrations were

0.01% and 0.04% in the dark (Fig. 3). However,

total phosphorus in M. aeruginosa increased

(Fig. 4). There were no significant differences

observed among the three treatments (P > 0.05),

so enlarging the redox difference in the dark/light

cycle did not have an obvious effect on phospho-

rous metabolism.

Soluble orthophosphate in M. aeruginosa de-

clined initially, with increasing steepness at high

cysteine concentrations, then increased in light

and decreased in darkness (Fig. 5). Polyglucose

Fig. 1 Redox potential under different treatments. n, Control; d, 0.01% of cysteine in darkness; m, 0.04% of cysteine in
darkness
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showed a similar pattern as soluble orthophos-

phate content (Fig. 6). Adding reducing agent

promoted PolyP accumulation in M. aeruginosa,

with PolyP reaching 0.038 and 0.043 mg g–1 DW

on the 3rd day when cysteine concentrations

were 0.01% and 0.04%, respectively. PolyP

decreased in the light and increased in the dark

(Fig. 7).

Fig. 2 Growth of M. aeruginosa under all the treatments. n, Control; d, 0.01% of cysteine in darkness; m, 0.04% of cysteine
in darkness. Error bars represent standard derivation

Fig. 3 Variation of phosphate concentration in water. n, Control; d, 0.01% of cysteine in darkness; m, 0.04% of cysteine in
darkness. Error bars represent standard derivation

170 Hydrobiologia (2007) 581:167–176

123



Discussion

Phosphorus metabolism of M. aeruginosa

under dark/light cycles with different redox

potential difference

M. aeruginosa does not form microbial mats or

dense scums, which could cause anoxia, in

the laboratory, so phosphorus metabolism of

M. aeruginosa generally is studied under aerobic

cultivation conditions. Phosphate uptake rate is

considered a function of ambient phosphate and

cell quota, and Droop’s equation describes the

relationship between cell quota and population

growth rate (Fuhs et al., 1972). Phosphorus in

M. aeruginosa decreased in darkness, increased in

light, and increased during the stationary phase

when reducing agent was added in darkness

(Fig. 4). Thus, M. aeruginosa may release phos-

phorus in darkness and absorb phosphorus in

light.

M. aeruginosa may synthesize PolyP when cells

are added to fresh medium. PolyP in M. aerugin-

osa increased if redox potential was low. After a

short period of growth, PolyP in M. aeruginosa

increased in darkness and declined in the light

(Fig. 7), opposite the trend of TP and polyglucose

(Fig. 4). Synthesis of PolyP may help maintain

phosphorous balance in the cell. PolyP accumu-

lation coinciding with decreased polyglucose and

soluble orthophosphate shows that these com-

pounds may provide energy and phosphorus for

PolyP synthesis. M. aeruginosa may accumulate

polyglucose during daylight and consume it at

night, and previous research showed that poly-

glucose fermentation can provide enough energy

for PolyP synthesis (Shi et al., 2003). An exper-

iment with yeast also indicated that endogenous

substrate is adequate to supply energy for PolyP

synthesis (Schuddemat et al., 1989).

Inorganic polyphosphates are polymers of

orthophosphate (Pi) with a phosphoanhydride

bond, which has free energy close to that of ATP.

The exact physiological function of PolyP remains

uncertain, although various biological functions

have been demonstrated, including as a reservoir

of energy and phosphate, a chelator of divalent

cations, a capsule material, and a ‘‘channelling’’

agent in the phenomenon of bacterial transfor-

mation (Magrath & Quinn, 2000; Keasling &

Hupf, 1996; Kornberg, 1995). In general, PolyP

concentration is low during exponential growth

Fig. 4 Total phosphorus content in M. aeruginosa. n, Control; d, 0.01% of cysteine in darkness; m, 0.04% of cysteine in
darkness. Error bars represent standard derivation
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but may increase when the stationary phase

begins or when growth is arrested due to nutrient

imbalance (Noegel & Gotschlich, 1983). Pi

released and accumulated by the cells would be

sequestered as PolyP to maintain Pi and H+

concentration (Harold, 1963). Thus, rapid

Fig. 6 Polyglucose content inM. aeruginosa under all the treatments. n, Control; d, 0.01% of cysteine in darkness;m, 0.04%
of cysteine in darkness. Error bars represent standard derivation

Fig. 5 Soluble phosphate content in M. aeruginosa under all the treatments. n, Control; d, 0.01% of cysteine in darkness;
m, 0.04% of cysteine in darkness. Error bars represent standard derivation
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orthophosphate release may stimulate PolyP

synthesis. PolyP is involved in controlling Pi and

serves, in effect, as a metabolic buffer.

Prokaryotes are composed of cytoplasm, cell

surface, periplasm and plasma membrane. PolyP

granules can be found in all of these, and different

locations of PolyP may play different roles.

Electron microscopy indicated that PolyP gran-

ules in M. aerugnosa were located in the cyto-

plasm (Shi et al., 2003). PolyP granules may be

used for phosphorus and energy storage in our

experiments (Kulaev et al., 1999).

M. aeruginosa growth in the dark/light cycle

under different redox potential difference

Some cyanobacterial strains can survive in dark,

reducing conditions. Oscillatoria terebriformis, a

cyanobacterium, moved each night (Richardson

& Castenholz, 1987). O. chalybea blooms are

correlated with lowered partial pressure of O2

accompanied by increased sulfide at increasing

depth in lakes (Leventer & Eren, 1970). The

presence of O. redekei in the lower strata of some

lakes was attributed to reducing conditions of

sulfide (Tash, 1967). Thus,Oscillatoria can survive

in dark, reducing conditions, and some Oscillato-

ria species are dependent on lowered redox

potential.

M. aeruginosa can endure low redox potential

in darkness, which stimulated slight growth

and reduced mortality in darkness (Shi, 2003).

Large redox potential difference may promote

M. aeruginosa growth initially, then cause cell

death (Fig. 2). When adding 0.01% and 0.04%

cysteine, average redox potential differences

between light and dark were 83 mV and

276 mV, respectively. In this case, M. aeruginosa

lost viability at days 5 and 7, respectively. In

previous research, we found that large cell

density in culture may result in high diel redox

potential difference, and, when initial cell density

reached 1.5 · 107, 6 · 107 and 1 · 108 cell ml–1,

average diel redox potential differences were 65,

330, and 450 mV, respectively (Fig. 8). During

the 18-day experiment, M. aeruginosa grew and

had no evident mortality (data not shown). Since

cysteine had no other chemical effect besides

lowing redox potential (Weller et al., 1975), we

assumed that, only when M. aeruginosa reached a

certain cell density, could it survive low redox

potential. M. aeruginsoa seemed to thrive to

Fig. 7 PolyP content in M. aeruginosa under all the treatments. n,Control; d, 0.01% of cysteine in darkness; m, 0.04% of
cysteine in darkness. Error bars represent standard derivation
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resist the large diel redox potential difference

since redox potential increased in the fist dark-

ness period when the reducing agent was added,

but could not hold back the designed trend. In

our experiment, cell density of 6.2 · 106 cell ml–1

was too low to endure 83 and 276 mV diel redox

potential difference. In Lake Taihu, large diel

redox potential differences are observed in

microbial mats or scums, and, in that case, cell

density is high enough to adapt to such circum-

stances. Thus, large diel rodox potential differ-

ence may promote algae growth, but shows no

negative effect.

In autumn,microbial mats ofMicrocystis sink to

the sediment.M.aeruginosa colonies remainon the

sediment as vegetative cells. These winter colonies

are viable and constitute an inoculum for the

following year, some reentering the water column

in spring (Preston et al., 1980). Redox potential of

sediment in Lake Taihu changes with depth from

about -100 to + 100 mV (Fig. 9). Sediment sus-

pension often occurs underwind andwaves in large

shallow lakes. Redox potential at the sediment

surface increases at this time and decreases during

calm periods. Therefore, M. aeruginosa in the

sediment regularly experiences variation in redox

potential.

Microcystis was a small proportion of biomass

in non-stratified enclosures but was dominant in

diurnally and continuously stratified enclosures

(Nakano et al., 2001). Although thermal stratifi-

cation was required for Microcystis growth, it is

unclear why it was important. We hypothesize

that stratification may lead to high diel redox

potential difference, which is more favorable for

Microcystis than other species, and, therefore, it is

dominant in eutrophic environments.

Anoxia was vital for survival of O. terebriformi

during dark periods, because fast degradation of

glycogen under aerobic conditions would result in

exhaustion of energy reserves within a few hours

(Moezelaar et al., 1996). However, PolyP accu-

mulation under low redox potential in dark may

be important to M. aeruginosa for survival in

unfavorable conditions. Therefore, the ability to

accumulate PolyP in the dark and negative redox

potential may be an advantage in low light,

organically rich, and low-redox habitats. Finally,

the phenomenon reported here may be important

in understanding mechanisms of phosphorous

Fig. 8 Redox potential of the medium with different cell density of M. aeruginosa. n, 3 · 106 cell ml–1; d, 1.5 · 107 cell ml–1;
m, 6 · 107 cell ml–1; ., 1 · 108 cell ml–1
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metabolism in Microcystis during high diel redox

potential difference and explain why mats and

Microcystis in sediment can remain viable for

several months in Lake Taihu.
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Abstract Abundance, biomass and production

of pelagic bacteria were examined over one year

at monthly sampling intervals across a trophic

profile in Meiliang Bay, Lake Taihu. With the

lowest density in the open lake, the bacterial

abundance showed a clear trend in relation to

trophic status. The carbon content per cell was

higher in autumn and winter, and the opposite

was true for bacterial biomass. Bacterial 3[H]-

TdR and 14[C]-Leu incorporation rates, cell pro-

duction, turnover times and carbon production

varied during the annual cycle at different sites.

The ratio of bacterial production to primary

production was high, independently of the meth-

od used, indicates that the microbial food web in

Lake Taihu is an important component of the

total food web of the lake and dominated by

external inputs.

Keywords Eutrophication � Trophic status �
Bacterial biomass � Bacterial production �
Lake Taihu

Introduction

Bacteria play a pivotal role in aquatic ecosystems.

They use dissolved organic matter (DOM), which

is mineralized and transformed into biomass,

forming the base of the microbial food web

(Azam et al., 1983). Measurement of bacterial

cell numbers and biomass is, thus, a central aspect

in the study of plankton.

By using fluorescent dyes and epifluorescence

microscopy for direct counting (Hobbie et al.,

1977; Porter & Feig, 1980; reviewed by Raymond,

1994), combined with automated image analysis

(Psenner, 1991a, b) or electron microscopy

(Krambeck et al., 1981) for measuring bacterial

size distribution and cell volumes, reliable esti-

mates of bacterial biomass can be made. Using

the incorporation of radio-labeled precursors into

DNA (Thymidine) and proteins (Leucine) (Fu-

hrman & Azam, 1980, 1982; Kirchman et al., 1985,

1986), as well as other approaches, e.g., the

frequency of dividing cells (Davis & Sieburth,
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1984), realistic estimates of in situ bacterioplank-

ton production can be achieved.

Eutrophication and contaminant enrichment

can directly and indirectly affect structure and

functioning of microbial food webs, because any

changes in trophic state of a water body would

affect the relative significance of microorganisms

and alter the entire pelagic food web (Weisse,

1991; Sommaruga, 1995). Bacterial abundance

(Bird & Kalff, 1984) and production (Cole et al.,

1988) correlate with phytoplankton biomass and

primary production. Therefore, bacterial biomass

and production will be enhanced with increased

nutrient loading and primary production (Weisse,

1991). Also, the abundance and biomass of other

microbial food web components (such as auto-

trophic picoplankton, small eukaryotic algae,

heterotrophic nanoflagellates, ciliates and meta-

zoan microplankton) will increase, which will

decrease the relative importance of the microbial

food web to carbon flux (Weisse, 1991).

In this paper, we reported a study on selected

microbial parameters along a trophic gradient in

Lake Taihu, a large shallow lake in eastern China.

The major aim of these studies was to evaluate

the relationships between the bacterioplankton

abundance, cell volume and biomass, production

and the trophic state of lake. We tested the

hypothesis that bacteria and lake eutrophication

are tightly coupled and bacterial growth in lakes

largely occurs at the expense of allochthonous

carbon sources other than phytoplankton produc-

tion.

Materials and methods

Sampling sites

Lake Taihu is the third largest fresh water lake in

China and is influenced by intensive blooms of

blue-green alga during summer. In Meiliang Bay,

at the northern end of Lake Taihu at the inflow of

the main tributary, a north-south profile across

the bay and a transverse profile from west to east

were chosen (Fig. 1). These five stations repre-

sented different trophic levels, including a highly

contaminated area at the river mouth (#0) and

several sites in Meiliang Bay with nutrient levels

decreasing with distance from the river mouth

(3#, #5, and site #2 in front of the Taihu Station).

The site with the lowest influence from nutrient

inputs by the river is the open area (#8) in the

center of the lake.

Sampling

Samples were taken with a 5 l Patalas–Schindler

sampler. A 50 ml sub-sample was transferred into

a glass bottle (75 ml) containing 2.5 ml of pre-

filtered (pore size, 0.2 lm) formaldehyde (final

concentration 2%). The glass bottles were washed

with acid, rinsed with particle-free distilled water

and autoclaved one day before use. After return

to the laboratory, samples were stored in a

refrigerator at 4�C until slides for enumeration

and image analysis were prepared.

Bacterial abundance

For bacteria abundance, a well-mixed sub-sample

was diluted with particle-free distilled water

(1:40) and stained with 4¢, 6¢-diamidino-2-pheny-

lindole (DAPI, Sigma) at a final concentration of

2 lg ml–1 for 7 min (modified from Porter & Feig,

1980; Raymond et al., 1994; Posch et al., 2001).

After staining, samples were filtered onto black

polycarbonate filters (0.2 lm pore size, 25 mm

diameter, PoreticsTM) and embedded in nonfluo-

rescent immersion oil (Cargille type A, Cargille

Laboratories, Inc., USA). On each slide, at least

400 bacteria were counted at 1600· with a Zeiss

Axiovert 135 M epifluorescence microscope

equipped with a HBO 50 W mercury lamp and

a filter set for UV excitation (BP 365, FT 395,

LP397 nm, Zeiss filter set 01) (Zeiss, Germany).

Bacterial biomass

Bacterial biomass is the product of cell abun-

dance and carbon content per cell. Measurement

of cell sizes and carbon contents is described

elsewhere. Briefly, cell length and width were

measured microscopically using a DAPI concen-

tration of 1 lg ml–1 and a sensitive camera

coupled to an image analysis system. Carbon
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content was inferred by an empirical formula

established under comparable staining proce-

dures (Loferer-Krößbacher et al., 1998; Posch

et al., 2001).

Metabolically active bacteria

A 500 ml sub-sample was transferred into a glass

bottle prepared as above. After return to the

laboratory, 1 ml of 2-(p-iodophenyl)-3-(p-nitro-

phenyl)-5-phenyl tetrazolium chloride (INT)

stock solution (2 mg ml–1) was added to 10 ml

of sample in 20 ml polyethylene vials (INT final

conc. ca. 0.02%). All samples were incubated at in

situ temperature in a water bath for 1 h without

any substrate addition. After incubation, samples

were fixed with pre-filtered (pore size, 0.2 lm)

formaldehyde (final concentration 2%). Samples

were stored in a refrigerator at 4�C at least 1 h

and no longer than 24 h before preparation

(modified from Zimmermann et al., 1978; Dufour

& Colon, 1992; Thom et al., 1993). Other proce-

dures were the same as for bacterial abundance

estimations. A blue filter and halogen lamp were

used for INT measurements.

Bacterial production (BP)

A dual-label incubation method was used to

measure incorporation of thymidine (TdR) and

leucine (Leu) by adding [3H]-TdR and [14C]-Leu to

a single sample and collecting cold-TCA-insoluble
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material (modified from Chin-Leo & Kirchman,

1988; Kirchman & Hoch, 1988). For each sam-

ple, triplicates of 10 ml each and one control

(already containing 0.5 ml of 0.2 lm pre-filtered

formalin at a final concentration of 2%) were

used. In each sub-sample, 100 nM (final concen-

tration) of [14C]-Leu (specific activity, 308 mCi

mmol–1, Amersham Life Science, England.) was

added, and samples were incubated for 40 min in

a water bath at in situ temperature. After

40 min, 10 nM (final concentration) of [3H]-

TdR (specific activity, 81 Ci mmol–1, Amersham

Life Science, England.) was added, and samples

were incubated for an additional 20 min. The

incubation was stopped by adding 0.5 ml forma-

lin at a final concentration of 2%. After incuba-

tion, samples were filtered through cellulose

nitrate filters (SartoriusTM, 0.2 lm pore size,

25 mm diameter). Then, 5 ml of ice-cold 5%

TCA were added for 5 min to extract macro-

molecular fractions. The filter was rinsed 3 times

with 5 ml of ice-cold 5% TCA. Radioactivity

incorporated into cellular material was assayed

by a Beckman liquid scintillation counter (LS-

8000IC).

According to the literature (Simon & Azam

1989, Wetzel & Likens 2000), the following

formulas and conversion factors were used to

calculate bacterial [3H]-TdR and [14C]-Leu

incorporation, cell production and carbon

production.

½3H� � TdR:incorporation ½n mol TdR l�1 h�1�

¼ U � 4:5� 10�13

S� T � V

where 4.5 · 10–13 = the number of curies per

dpm; U = dpm of the filter; S = Specific activity

of the TdR [Ci mmol–1]; T = Incubation time [h];

V = Volume of filtered sample [l].

Cell production [cells l–1 h–1] = 2 · 1018 cells

mol–1 TdR

Carbon production [lg C l–1 h–1] = TI ·
CP · CC

where TI = TdR incorporation [molesTdR l–1 h–1];

CP = Cell production [cells mol–1]; CC = Cellular

carbon content [lg C cell–1].

[14C] - Leu. incorporation [n mol Leu l�1 h�1]

¼ U � 4:5� 10�13

S� T � V

where 4.5 · 10–13 = the number of curies per

dpm; U = dpm of the filter; S = Specific activity

of the Leu [Ci mmol–1]; T = Incubation time [h];

V = Volume of filtered sample [l].

Cell production [cells l–1 h–1] = 0.07 · 1018

cells mol–1 Leu.

BCP [lg C l–1 h–1] = mol. Leu (inc.) · (7.3/

100)–1 · 131.2 · ID · (C/protein)

where: 131.2 = molecular weight of leucine

(7.3/100)–1 = mole% of leucine in protein,

hence 0.073

C/protein = ratio of cellular carbon to protein,

best estimate = 0.86

ID = Isotope dilution; here ID = 2

Results

Some physical and chemical parameters in differ-

ent parts of Lake Taihu during May 1998 to May

1999 are presented in Electronic Supplementary

material. Due to the shallowness of the lake and

strong winds, the water column remained mixed.

However, nutrient concentrations, Chl a concen-

tration, and other physical and chemical param-

eters varied among the sampling sites and showed

a clear trophic gradient from the river mouth

(hypertrophy), Meliang Bay (eutrophy) to the

open lake (meso/eutrophy).

Bacterial abundance

The distribution patterns of bacterial abundance

varied significantly along the trophic gradient of

this lake (One-way ANOVA, P = 0.005). At the

hypertrophic river mouth, the highest bacterial

abundance was determined. With the mean value

of 15.4 · 109 l–1, the bacterial abundance was ca.

55% higher than the mean in eutrophic Meiliang

Bay and almost twice as high as the meso/

eutrophic open lake (Fig. 2).
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Bacterial biomass

The bacterial biomass also markedly increased

along the trophic gradient of Lake Taihu (Fig. 2).

At the hypertrophic river mouth, the mean bacte-

rial biomass was 364 ± 225 lg C l–1, i.e. ca.

1.5 times and 2.2 times higher than that at eutro-

phic Meiliang Bay and the open lake, respectively.
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The difference between the highest and lowest

value was ca. tenfold at the river mouth, while only

ca. fivefoldwere recorded both in theMeiliangBay

and the open lake. No significant differences for

seasonality were found in different trophic area of

this lake (One-way ANOVA, P > 0.05).

Active bacteria

A highly significant positive correlation was

found between the number of active bacteria

and the total bacterial abundance in all parts of

this lake, although this relationship varied among

the habitats (Fig. 3.). In the hypertrophic river

mouth, the mean ratio of active bacteria versus

total bacterial abundance (34%) was slightly

higher than that in the eutrophic Meiliang Bay

(29%) and the meso/eutrophic open lake (28%).

Variation of the percentage of active cells

between the different trophic sites was smaller

than the variation in abundance and biomass.

Bacterial production

The bacterial [3H]-TdR incorporation rate also

increased along the trophic gradient, and showed

a significantly different over time (One-way

ANOVA, P < 0.0001, n = 65) and space (One-

way ANOVA, P = 0.04, n = 65), although the

distribution patterns were similar in all of the

sites. At the river mouth, with the maximum

value of 14603 pmol l–1 h–1, the annual mean

value of [3H]-TdR incorporation rate was ca.

1.2 times than Meiliang Bay and 2.2 times higher

than the open lake, respectively (Table 1).

While the turnover times estimated from cell

production were extremely fast and highly vari-

able among the sampling sites (Fig. 3). At the

hypertrophic river mouth, the mean turnover

times was only ca. 87% less than the open lake,

although the cell production was ca. 3 times

higher (Fig. 3). Differences of turnover times

within the temporal (One-way ANOVA,

P > 0.05, n = 65) and spatial (One-way ANOVA,

P > 0.05, n = 65) distribution were not significant.

Bacterial carbon production at different sites

showed a similar distribution pattern as bacterial

[3H]-TdR incorporation rate, particularly at the

river mouth and in Meiliang Bay (Fig. 2). With a

mean of 141.8 ± 52.8 lg C l–1 h–1 at the river

mouth, bacterial carbon production was ca. 2.4

and 4.5 times higher than means at Meiliang Bay

and the open lake, respectively.

Temporal distribution of bacterial incorpora-

tion rates at different sites were similar for both

[14C]-Leu and [3H]-TdR, even though the value

for [14C]-Leu was much higher (Figs. 3 and 4). No

significant differences were found between bac-

terial cell production based on either method

(Paired t-test, P > 0.05). However, turnover times

estimated from [3H]-TdR and [14C]-Leu at the

river mouth (One-way ANOVA, P = 0.002,

n = 39) and Meiliang Bay (One-way ANOVA,

P = 0.001, n = 39) were significantly different,

although cell production based on both methods

was not significantly different. In the open lake,

no significant difference was found (One-way

ANOVA, P > 0.05, n = 39).

While a clear positive correlation between

[3H]-TdR and [14C]-Leu measurement was found,

bacterial carbon production measured by [14C]-

Leu was ca. 2 times higher than that of [3H]-TdR

(Fig. 4). Since both methods are based on mea-

suring some aspect of macromolecular synthesis

(DNA for TdR, Protein for Leu), it is possible to

convert these incorporation rates to rates of

macromolecular synthesis and, in turn, to biomass

production. But this conversion depends on

detailed information about several cellular com-

ponents, thus bacterial cell size and biomass were

measured at the same time (Figs. 3 and 5).

Discussion

Factors affecting bacterial abundance and

activity

Bacterioplankton assemblages often are domi-

nated by inactive or dormant cells, and only a

small fraction of bacterial cells appear to be

metabolically active in aquatic systems (Steven-

son, 1978; Mason et al., 1986). However, the

fraction of active cells varies in time and space

(Zimmerman et al., 1978; Quinn, 1984). Over a

broad range of aquatic systems, the total number
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of bacteria varied by three orders of magnitude,

active bacteria varied by four orders of magni-

tude, and the proportion of active cells increased

systematically along gradients of enrichment from

ultra-oligotrophic open ocean areas (<5%) to

highly productive estuaries (>50%) (Del Giorgio

& Scarborough, 1995).

With lowest bacterial abundance in the open

lake, bacterial density showed a clear trend in

relation to trophic status in Lake Taihu (Fig. 2),

corresponding to the overall trend of abundance

increase with system enrichment (Weisse, 1991).

Bacterial abundance in the highly contaminated

river mouth, however, was only slightly higher

and not significantly different from those ob-

served in eutrophic Meiliang Bay. Similar results

were obtained by Azam et al. (1983) and Bird &

Kalff (1984), who also found that fluctuations of

bacterial biomass are small across trophic gradi-

ents. The low rate of increase in total bacterial

density may imply that total bacterial biomass

tends to be more uniform among systems, and

their relative contribution to community biomass

declines with increasing system productivity (Fu-

hrman et al., 1989). This indicates that structural

and functional characteristics of the ‘microbial

loop’ may be operating differently in stressed

versus unstressed ecosystems (Munawar &

Weisse, 1989).

With a mean ratio of ca. 34%, 29% and 28% in

the river mouth, Meiliang Bay and open lake,

respectively, the ratio of metabolically active

bacteria to total bacterial abundance does not

always correspond to these environmental gradi-

ents, although a significant positive correlation

between total bacterial abundance and active

bacteria existed in all parts of Lake Taihu

(Fig. 3). However, data on total and active

bacteria from the literature for aquatic systems

show that our data are in the range of pelagic

systems in general (Del Giorgio & Scarborough,

1995). The estimated average proportion of active

cells in this work was similar to the mean for

published data on lake bacteria (23%) (Del

Giorgio & Scarborough, 1995), although some

papers show that this ratio can reach 100% in a

hypertrophic lake (Sommaruga, 1995). In most

aquatic systems, there is a pool of rapidly growing

cells embedded in a larger matrix of inactive

bacteria, and the relative size of the active and

inactive pools varies systematically along gradi-

ents of enrichment (Del Giorgio & Scarborough,

1995). This large variance among systems may

also reveal that there are differential control

Table 1 Leucine and Thymidine incorporation rates
(pmol l–1 h–1 ) at different sites of Lake Taihu

TdR Leu TdR/Lue

R Mean ± S.E 2878.8 ± 1069.0 92.2 ± 25.3 31.2
Range 343.3–14603.2 14.0–323.9 24.5–45.1

B Mean ± S.E 1338.8 ± 409.3 45.6 ± 12.6 29.4
Range 195.2–4755.8 8.1–172.4 24.1–27.6

O Mean ± S.E 886.5 ± 150.0 24.7 ± 3.5 35.9
Range 68.1–2124.1 2.5–43.0 27.2–49.4

[3H] Thymidine carbon production (µg C l-1h-1)

0 200 400 600 800 1000 1200

[
41

]
C

e
L

ic
u

e
n

ac
rb

r
p

n
o

u
d

o
ct

i
(

n
o

µ
C

g
l1-

h
1-
)

0

200

400

600

800

1000

1200

1:1

y = 62.965+1.729 x
r2 = 0.82, n=65, p<0.0001

Fig. 4 Correlation of bacterial carbon production mea-
sured by [3H] TdR and [14C] leu in Lake Taihu from 1998
to 1999. r2 = 0.82, n = 65, p < 0.0001. The dashed line
shows the 95% confidence limits

Cell Size (µm3)

.001 .01 .1 1

qer
F

yc
ne

u
%(

)

0

5

10

15

20

25

30

35

R
B
O

Fig. 5 The distribution of bacterial cell size at 3 different
sites of Lake Taihu. R ... river mouth; B ... Meiliang Bay; O
... open lake

184 Hydrobiologia (2007) 581:177–188

123



mechanisms for active and inactive bacteria in

different ecosystems.

Although Billen (1990) suggested that the lack

of simultaneous changes in phytoplankton and

bacterioplankton abundance on a seasonal scale is

caused, in many cases, by the delayed response of

bacteria to phytoplankton development, it is

reasonable that the number of active cells is more

variable among systems than the total number of

bacteria, and that only metabolically active bac-

terioplankton are responsible for growth, nutrient

uptake and transformation of organic carbon

substrates (Del Giorgio & Scarborough, 1995).

Moreover, this variation may be masked by a

rather large and constant pool of inactive bacte-

ria. Thus, the function of bacterioplankton, based

on the total number of bacteria, may have to be

revised to accommodate large variations in the

proportion of metabolically active cells (Del

Giorgio & Scarborough, 1995). However, like

other planktonic components, bacterioplankton

density and production are correlated positively

to system productivity, such as nutrient concen-

tration, dissolved organic carbon, chlorophyll a,

and primary production (Cole et al., 1988).

Leucine and Thymidine incorporation

Although there are still technical problems,

incorporation of [3H] thymidine (TdR) into

DNA and [14C] leucine (Leu) into protein are

considered the most reliable methods (Fuhrman

& Azam, 1980; Chin-Leo & Kirchman, 1988).

However, accurate estimates of bacterial produc-

tion depend on use of an appropriate conversion

factor (Chin-Leo & Kirchman, 1988), which may

vary (even by more than a factor of 100) over

short time and space scales (Kirchman et al.,

1986; Chin-Leo & Kirchman, 1988; Smits &

Riemann, 1988). In this case, observed variation

in thymidine incorporation could be due to

changes in conversion factors rather than bacte-

rial production (Kirchman & Hoch, 1988). So, it is

necessary to ensure that observed changes in TdR

incorporation are due to real changes in bacterial

production, not in the conversion factor or some

artifact (Chin-Leo & Kirchman, 1988).

When both TdR and Leu incorporation are

measured in a single incubation by the dual-label

approach, agreement between independent mea-

surements made simultaneously should separate

real changes from artifacts more effectively than a

single-label approach (Fig. 4). Thus, we are con-

fident that observed variations reflect real

changes in the metabolism of bacterial assem-

blages (Kirchman et al., 1986). In addition,

incorporation rates determined from dual-label

incubations differed only slightly from those

obtained from single-label incubations (Chin-

Leo & Kirchman, 1988). The dual-label proce-

dure, however, can reduce the time and material

needed to perform simultaneous measurements

of TdR and Leu incorporation, while minimizing

errors.

Physico-chemical parameters directly or indi-

rectly affecting bacterial production vary over

time and relatively short distances (Kirchman &

Hoch, 1988), which may cause methodological

problems, especially in attempting to measure

bacterial production. For this reason, the dual-

label approach was used to measure TdR and

Leu incorporation. In spite of problems inherent

to each method, TdR and Leu incorporation rates

covaried and gave the same qualitative picture of

bacterial production in different parts of Lake

Taihu (Table 1, Fig. 4). Although bacterial car-

bon production data lay within the broad range

of the literature, bacterial carbon production

measured by Leu was ca. 2 to 3 times higher

than by TdR. This may indicate that conversion

factors in Lake Taihu vary by a factor of two or

so and differences may be due to methodology.

Servais (1992) suggested that bacterial produc-

tion measured by TdR seems to be systematically

underestimated compared with those measured

by Leu.

Bacterial production and its coupling with

primary production

Bacterial production can be used to estimate

average growth rate of bacterial assemblages and

as an indicator of bacterial response to fluctua-

tions in environmental conditions (Chin-Leo &

Kirchman, 1988). Bacterial abundance and pro-

duction are correlated positively with phytoplank-

ton biomass and primary production in a broad

range of freshwater and marine systems, and
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bacterial production varied from 2% to >80% of

primary production (Bird & Kalff, 1984; Cole

et al., 1988). However, bacterial abundance and

production do not increase proportionally with

chlorophyll concentration as well as primary

production (Robarts et al., 1994), although a

positive empirical relationship was found between

bacterial abundance and chlorophyll concentra-

tion in fresh and marine waters (Bird & Kalff,

1984).

Lake Taihu data show that bacterioplankton

production was higher at the river mouth than in

the open lake (Table 1, Fig. 3). Bacterial pro-

duction (both measured by TdR and Leu) and

phytoplankton biomass at the river mouth and in

Meiliang Bay were correlated positively, but not

in the open lake. The bacterial production to

primary production ratio varied among the

sampling sites (One-way ANOVA, P = 0.023,

n = 65) and increased along the trophic gradient

with a mean value ca. 2 and 4 times higher than

in Meiliang Bay and the open lake, respectively.

At the same time, no significant correlation

between primary production and bacterial sec-

ondary production based on [3H]-TdR and [14C]-

Leu measurement was found in any part of Lake

Taihu.

The mean ratio of bacterioplankton production

to primary production (Table 2) presented a

similar picture to that in humic-rich reservoirs,

where bacterioplankton production was usually

ca. 2 to 4 times higher than primary production

(Balogh & Vörös, 1997). These authors found

that lakes receiving large amounts of humic

compounds contain larger standing stocks of

pelagic bacteria than less humic lakes, suggesting

a large non-phytoplankton carbon source. Our

results support the hypothesis that bacterial

growth in lakes largely occurs at the expense of

allochthonous carbon sources rather than phyto-

plankton production, especially at the river

mouth and in Meiliang Bay, where organic matter

is entering from the river. Moreover, the ratio of

bacterioplankton to primary production de-

creases with trophic status (Table 2), which is in

agreement with other results (Cole et al., 1988),

who associated increasing eutrophication and

bacterioplankton production, and a decreasing

ratio of bacterioplankton biomass and production

to Chl a. They suggested that the relative impor-

tance of bacterioplankton in lake ecosystems

seem to decrease markedly with trophic status

of the studied ecosystems (Cole et al. 1988).

Conclusions

With the highest value in the hypertrophic river

mouth, the abundance, biomass and production of

pelagic bacteria markedly increased along the

trophic gradient of Lake Taihu (the open lake,

Meiliang Bay, and the river mouth). A positive

correlation between bacterial production (mea-

sured by TdR and Leu) and phytoplankton

biomass was found in the river mouth and

Meiliang Bay, but not in the open lake. The

bacterial to primary production ratio increased

with trophic status. No significant correlation

between primary production and bacterial sec-

ondary production was found in any part of Lake

Taihu. Our results support the hypothesis that

bacteria and lake eutrophication are tightly

Table 2 Comparison of primary production and bacterial secondary production (lg C l–1 h–1) at different sites of Lake
Taihu from May 1998 to May 1999

PP TdR Leu TdR/PP Leu/PP

R Mean ± S.E 79.1 ± 8.1 141.8 ± 52.8 297.1 ± 81.5 1.8 ± 0.5 4.0 ± 1.0
Range 37.0–138.4 17.0–654.5 45.1–1044.1 0.2–5.9 0.5–11.6

B Mean ± S.E 76.0 ± 9.4 41.2 ± 7.9 147.1 ± 25.6 0.8 ± 0.2 3.1 ± 0.7
Range 19.8–309.1 4.2–173.8 16.2–775.3 0.1–4.7 0.2–19.7

O Mean ± S.E 76.1 ± 9.3 25.8 ± 4.7 79.8 ± 11.4 0.5 ± 0.1 1.5 ± 0.4
Range 18.9–135.6 1.8–65.3 8.2–138.7 0.01–1.6 0.1–5.3

* The primary production (PP) was calculated from Chl a concentration by using the empirical formula: PP = –
0.63 + 0.197 · Chl a, (r = 0.90) (Huang et al., 2001), where PP (mg O2 m

–2 d–1), Chl a (mg m–3), by using the factor of 2.67
to convert the O2 unit to C unit (Sorokin, 1999)
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coupled and bacterial growth in lakes largely

occurs at the expense of allochthonous carbon

sources other than phytoplankton production

(Balogh & Vörös, 1997), especially at the river

mouth and in Meiliang Bay. Moreover, the ratio

of bacterioplankton to primary production de-

creases with trophic status (Table 2)
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EUTROPHICATION IN LAKES

Floating-leaved macrophyte (Trapa quadrispinosa Roxb)
beds have significant effects on sediment resuspension in
Lake Taihu, China

Peisheng Huang Æ Boping Han Æ Zhengwen Liu

� Springer Science+Business Media B.V. 2007

Abstract Trapa quadrispinosa Roxb is a

common floating-leaved macrophyte in China.

In this study, the effects of Trapa on sediment

resuspension in Lake Taihu, a large, shallow,

eutrophic lake in eastern China, were investigated

using sediment traps. The study was conducted at

stations with and without Trapa beds from 7

September to 18 October, 2003. Results showed

that sediment resuspension rates at the station

without Trapa were significantly higher than

those at the station with Trapa. During the study

period (41 days), 10,970 g dw m–2 of surface sed-

iment was resuspended within the Trapa beds and

29,903 g dw m–2 in the pelagic zone. These

equate to phosphorus fluxes of 7.4 g m–2 to the

water column at the station with Trapa and

16.1 g m–2 at the station without Trapa. Float-

ing-leaved macrophytes, such as Trapa, may be

important in sediment resuspension and internal

phosphorus loading in shallow lakes.

Keywords Lake Taihu � Sediment resuspension �
Floating-leaved macrophytes

Introduction

Many shallow lakes have become eutrophic as the

result of anthropogenic influences. Eutrophica-

tion often results in decreased water transparency

and subsequent declines in macrophyte abun-

dance. Macrophytes are important to nutrient

cycling in aquatic systems, particularly in shallow

lakes, in many ways: nutrient incorporation in

plant biomass, inhibiting phosphorus release

from sediments, enhancement of sedimentation

and reducing sediment resuspension. Sediment

resuspension may redistribute settled materials,

increase water turbidity and, thus, affect light

conditions, nutrient fluxes, photosynthesis, phy-

toplankton and zooplankton community structure

and abundance, fish feeding, and growth of

submerged macrophytes (Kristensen et al., 1992;

Søndergaard et al., 1992; Carrick et al., 1993;

Ogilvie & Mitchell, 1998; Scheffer, 1999; Saulnier

& Mucci, 2000; Madsen et al., 2001). Hence,

factors controlling sediment resuspension rates

have substantial consequences for the lake

ecosystem.

Sediment resuspension has direct and indirect

effects on aquatic macrophytes. Conversely, aqua-

tic macrophytes can reduce sediment resuspension
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by attenuating wave and current energy and, thus,

increasing net sedimentation rate (Madsen et al.,

2001). Effects of submerged macrophytes on

sediment resuspension have been the focal point

of intensive research (Madsen et al., 2001; Cross-

ley et al., 2002). Effects of emergent and sub-

merged macrophytes on sediment resuspension

also have been studied in recent years (Dieter,

1990; Horppila & Nurminen, 2001). However,

similar studies have rarely applied to floating-

leaved macrophytes, common in shallow lakes. In

this study, sediment traps were used to evaluate

effects of floating-leaved macrophytes on sedi-

ment resuspension in large, shallow, eutrophic

Lake Taihu (China).

Methods and materials

The study site was located along the northern

coast of Lake Taihu, one of the largest freshwater

lakes in China (Qin et al., 2007, Fig. 1). The study

was carried out from 7 September to 18 October,

2003, at different stations within a stand of a

floating-leaved macrophyte, Trapa quadrispinosa

Roxb. The station with Trapa was located inside

the Trapa stand ~20 m from the outer edge, and

the station without Trapa was outside the Trapa

stand ~30 m from the stand edge. Plant coverage

was about 80% of the lake surface within the

Trapa stand during the study.

Triplicate sediment traps were placed at each

station to determine the gross sedimentation rate.

The traps were constructed from a cylindrical

stainless steel pipe and had an inside diameter of

60 mm and a length: width ratio of 5:1. The tops

of the traps were 40 cm above the sediments.

Each trap was attached to a fine rope, which was

fastened to an anchor and a subsurface buoy.

The traps were recovered after 10–14 days of

deployment. In the laboratory, trap contents were

removed and dried at 60�C to constant weight.

Loss on ignition (LOI) of the entrapped material

was determined by ignition at 550�C. On each

sampling date, triplicate surface (2 cm) sediment

samples were taken from each station with a corer

and analyzed for LOI and total phosphorus (TP).

For TP analysis air-dry sediment samples were

digested with sulphuric acid, then P was deter-

mined using the acidic molybdate-ascorbic acid

(AMAA) method (Murphy & Riley, 1962).

Seston samples were taken with a tube sampler,

then filtered onto GF/C filters and analyzed for

suspended solids and LOI.

Sediment resuspension rate was calculated

using the method of Gasith (1975), which is

referred to as the ‘‘label approach’’ by Floderus

Fig. 1 Lake Taihu and
the sampling site
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(1989) and has been modified by several authors

(Bloesch, 1994). The method uses the equation:

R ¼ S
(fS � fT)

(fR � fT)

where R is resuspended sediment (g dry weight);

S is entrapped settling flux (g dry weight); fS is the

organic fraction (%) of S; fR is the organic

fraction (%) of R and fT is the organic fraction

(%) of seston (T) suspended in the water column.

In general, organic matter is lower in resuspended

sediments than fresh material (Bloesch, 1994).

According to Blomqvist & Hakanson (1981), this

method is reliable if the organic content of seston

(fT) is significantly different from surface sedi-

ment (fR). The rate of P resuspension at each

station was estimated using the calculated resus-

pension rate and P concentration in surface

sediments.

ANOVA (SPSS 10.0) was used to test for

significant differences between the data of the

stations with and without Trapa.

Results

The organic fraction of suspended seston ranged

from 21.3% to 50.3% (Table 1) and was signifi-

cantly higher than the surface sediments (fR)

(P < 0.001), suggesting that the method can be

used reliably in this study. The organic fraction of

entrapped material was above 12% at the station

with Trapa and significantly higher than the

station without Trapa (P < 0.001). For surface

sediments, the organic fraction at the Trapa

station was also significantly higher than the no

Trapa station (Table 1).

Gross sedimentation rates ranged from 128 to

726 and 423–1503 g dw m–2 day–1 for the station

with and without Trapa, respectively (Fig. 2).

Highest values for both stations were recorded 7–

18 October, 2003. The sedimentation rate at the

station with Trapa was significantly lower than

the station without Trapa (P < 0.001). The resus-

pension rate at the Trapa station ranged from 105

to 566 g dw m–2 day–1 and was significantly lower

than the no Trapa station, which ranged from 328

to 1505 g dw m–2 day–1 (Fig. 2). At both stations

the sedimentation rate was related to the sedi-

ment resuspension rate (R2
Trapa = 0.999, R2

No

Trapa = 0.996).

Total P concentration in surface sediments at

the Trapa station had a narrow range and was

always above 0.64 mg g dw–1, while the station

without Trapa was always below 0.64 mg g dw–1

(Table 2). The resuspension rate for TP ranged

from 68 to 362 and 85 to 963 mg day–1 m–2 at the

Trapa and no Trapa stations, respectively. During

the study period (41 days), 10,970 g dw m–2was

resuspended within Trapa beds and

29,903 g dw m–2 in the pelagic zone. With the

sediments, 7.4 g P m–2 entered the water column

at the station with Trapa and 16.1 g P m–2 for the

station without Trapa.

Discussion

In shallow waters, the concentration of sus-

pended particles in the water column depends

on the continuous processes of sedimentation and

Table 1 The organic fraction (%, ±95% confidence limits) of surface sediment, entrapped material and suspended seston
in both sampling station during the study period

17 September 27 September 7 October 18 October

Sediments
Station with Trapa 8.6 ± 0.2 8.2 ± 1.0 8.0 ± 1.0 7.9 ± 0.0
Station without Trapa 6.7 ± 0.5 5.9 ± 0.4 7.0 ± 0.3 7.9 ± 1.0

Entrapped material
Station with Trapa 12.9 ± 0.2 14.4 ± 0.6 12.2 ± 1.0 12.5 ± 2.5
Station without Trapa 10.8 ± 0.1 10.3 ± 0.4 8.5 ± 1.5 8.0 ± 0.1

Seston
Station with Trapa 34.6 ± 1.7 32.6 ± 6.4 26.8 ± 1.1 31.3 ± 5.2
Station without Trapa 50.3 ± 2.3 22.3 ± 8.9 21.3 ± 3.1 38.1 ± 0.6
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resuspension. Macrophyte coverage is an impor-

tant factor influencing sedimentation and resus-

pension in lakes (Dieter, 1990; Horppila &

Nurminen, 2001; Madsen et al., 2001). In Lake

Hiidenvesi, sediment resuspension in a stand of

emergent Typha angustifolia was significantly

lower than outside the stand (Horppila & Nurmi-

nen, 2001). In the present study, the mean

resuspension rate within the Trapa stand was

36% of that in the open water, suggesting that this

floating-leaved macrophyte attenuates sediment

resuspension.

The study area was located along the northern

coast of Lake Taihu, which is exposed to frequent

southwest wind. Microcystis blooms often accu-

mulate in this region and subsequently settle

within the Trapa beds. This may be responsible in

part for the high organic fraction in surface

sediments and entrapped material at the station

with Trapa (Table 1). Rooted macrophytes assim-

ilate P mainly from sediments and, therefore, may

reduce sediment P concentration (Chen & Barko,

1988). However, P concentration in sediments at

the station with Trapa was higher than the station

without Trapa. Reduced resuspension within the

Trapa beds and organic matter burial, including

settled Microcystis cells and macrophyte detritus,

may explain this observation.

Fig. 2 Sedimentation and resuspension rates at stations with and without a floating-leaved macrophyte Trapa quadrispinosa
(mean ± SD)

Table 2 Concentration of total phosphorus (mg g dw–1) in the surface sediments (mean ± 95% confidence limits)

17 September 27 September 7 October 18 October

Station with Trapa 0.75 ± 0.07 0.71 ± 0.08 0.65 ± 0.04 0.64 ± 0.01
Station without Trapa 0.40 ± 0.18 0.24 ± 0.13 0.63 ± 0.14 0.64 ± 0.09
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Large shallow lakes are susceptible to resus-

pension (Carper & Bachmann, 1984). The high

regression coefficient between resuspension and

sedimentation rates in Lake Taihu suggests that

resuspension supplies particles to the water

column. This study demonstrated that Trapa

reduces resuspension and internal P loading.

Re-establishment of macrophytes is a strategy

for restoration of eutrophic shallow lakes. How-

ever, floating-leaved macrophytes usually are

ignored in theoretical study and management.

Growth of floating-leaved macrophytes is not

dependent on light in the water column and may

present an alternative for vegetation restoration

in eutrophic, turbid lakes, such as Lake Taihu, at

least in some areas.
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EUTROPHICATION IN LAKES

Nitrogen dynamics and microbial food web structure during
a summer cyanobacterial bloom in a subtropical, shallow,
well-mixed, eutrophic lake (Lake Taihu, China)
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Abstract Nitrogen dynamics and microbial food

web structure were characterized in subtropical,

eutrophic, large (2,338 km2), shallow (1.9 m mean

depth), and polymictic Lake Taihu (China) in

Sept–Oct 2002 during a cyanobacterial bloom.

Population growth and industrialization are fac-

tors in trophic status deterioration in Lake Taihu.

Sites for investigation were selected along a

transect from the Liangxihe River discharge into

Meiliang Bay to the main lake. Water column

nitrogen and microbial food web measurements

were combined with sediment–water interface

incubations to characterize and identify important

processes related to system nitrogen dynamics.

Results indicate a gradient from strong phospho-

rus limitation at the river discharge to nitrogen

limitation or co-limitation in the main lake.

Denitrification in Meiliang Bay may drive main

lake nitrogen limitation by removing excess

nitrogen before physical transport to the main

lake. Five times higher nutrient mineralization

rates in the water column versus sediments

indicate that sediment nutrient transformations

were not as important as water column processes

for fueling primary production. However, sedi-

ments provide a site for denitrification, which,

along with nitrogen fixation and other processes,

can determine available nutrient ratios. Dissimi-

latory nitrate reduction to ammonium (DNRA)

was important, relative to denitrification, only at

the river discharge site, and nitrogen fixation was

observed only in the main lake. Reflecting nitro-

gen cycling patterns, microbial food web structure

shifted from autotrophic (phytoplankton domi-

nated) at the river discharge to heterotrophic

(bacteria dominated) in and near the main lake.
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Introduction

Nitrogen (N) and phosphorus (P) often limit

primary productivity in aquatic systems. Unlike P,
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dissolved inorganic N (DIN) occurs in different

forms and oxidation states. DIN is assimilated

and converted to organic N by phytoplankton,

other plants, or bacteria. Organic N can be

regenerated as ammonium (NH4
+) or dissolved

organic N (DON) compounds, reassimilated by

plants or heterotrophs, or oxidized by bacteria.

DIN composition and ratios can affect phyto-

plankton community structure. For example, NH4
+

is conducive to cyanobacteria (Blomqvist et al.,

1994; Hyenstrand et al., 1998; Dokulil & Teubner,

2000; Jacoby et al., 2000). Unlike diatoms, cyano-

bacteria are poor competitors for nitrate (NO3
–;

Hyenstrand et al., 1998). Some cyanobacteria can

fix atmospheric dinitrogen (N2), which can be

regenerated as bioavailable DIN compounds

(Shapiro, 1990; Downing et al., 2001). Cyanobac-

teria dominance often is regarded as an indicator

of eutrophication (Dokulil & Teubner, 2000).

Nitrification coupled with denitrification con-

verts biologically available N forms (NH4
+ and

NO3
–, respectively) to N2 gas and may reduce

effects of excessive N inputs and eutrophication

(Seitzinger, 1988). Nitrate for coupled denitrifica-

tion derives from organic matter mineralization to

NH4
+ followed by nitrification (Seitzinger, 1988).

Dissimilatory NO3
– reduction to NH4

+ (DNRA) is

an alternative pathway for NO3
– in sediments

(Tobias et al., 2001; An & Gardner, 2002). The

relative partitioning between NO3
– reduction path-

ways (denitrification versus DNRA) is important

since denitrification removes fixed N from the

system while DNRA returns it as bioavailable

NH4
+ (Tobias et al., 2001).

The microbial food web (MFW) includes

heterotrophic, autotrophic, and mixotrophic

prokaryotes and eukaryotes. Multiple cascading

trophic interactions within the MFW can affect

the biogeochemical N cycle and have feedback

effects on trophic conditions in coastal waters

(Lavrentyev et al., 1998). MFW structure also is

an important factor regulating algal community

dynamics in eutrophic, cyanobacteria-dominated

systems (Elser, 1999). MFW processes should be

included in nutrient-food web models to under-

stand complex processes in aquatic environments

(Edwards et al., 2000).

Evaluating internal nutrient cycling and trans-

formations, and conditions enhancing them, in

lakes and other aquatic systems help managers

address effects of excessive nutrient inputs and

eutrophication, such as cyanobacteria dominance.

Eutrophication studies in freshwater lakes often

focus on P, since it is the most common limiting

nutrient. This situation describes the current

status of research on Lake Taihu, a large

(2,338 km2), subtropical, shallow (1.9 m mean

depth), well-mixed, and eutrophic lake in China

(Pu & Yan, 1998). Studies in this lake have been

limited to monitoring nutrient sources and dom-

inant compounds (i.e. nutrient concentrations).

Water column NH4
+ regeneration and uptake,

benthic nutrient fluxes and N sinks (i.e. denitrifi-

cation),water columnversus benthicNcycling, and

MFW structure are important factors related to

trophic status and water quality. These issues have

not been addressed in Lake Taihu. The size, depth,

trophic status, latitude, and basin land use for Lake

Taihu are similar to Lake Okeechobee (Florida,

USA; Havens et al., 2001). General information

about Lake Taihu geography is presented else-

where in this issue (Qin et al., 2007).

Lake Taihu was oligotrophic as recently as the

1950s, but increased nutrient inputs related to

population and economic growth have led to

eutrophication (Cai et al., 1997; Chen et al.,

2003). Most pollutants come from rivers discharg-

ing into Meiliang Bay and other parts of the lake

(Huang, 2000). Meiliang and Wuli Bays (Fig. 1)

suffer from severe eutrophication (Huang, 2000).

Nutrient concentrations decrease with distance

Fig. 1 Map of northern Lake Taihu showing locations of
sampling stations in Meiliang Bay. A is the ‘‘river’’ site, B
is ‘‘inner bay’’, C is ‘‘outer bay’’, and D is ‘‘main lake’’
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from river outflows (Cai et al., 1997), but whole-

lake nutrient concentrations have increased by an

order of magnitude (Huang, 2000).

Wind-driven mixing and shallow depth prevent

stratification in the lake, and bottom waters

remain oxic (Dickman et al., 1998). Phytoplank-

ton diversity has decreased since 1981, but

cyanobacteria populations (Microcystis and An-

abaena) have increased (Pu & Yan, 1998) and can

comprise 85% of summer phytoplankton biomass

(Chen et al., 2003). Annual blooms have clogged

intakes at municipal waterworks, interrupted

domestic and industrial water supply, disrupted

tourism and capture fisheries, and caused cultured

fish stock losses (Pu & Yan, 1998). Wind-driven

sediment resuspension inhibits photosynthesis

below 0.5–1 m depth. However, Microcystis use

gas vesicles to maintain buoyancy and have a

competitive advantage over other phytoplankton

by avoiding light limitation (Shapiro, 1990; Chen

et al., 2003).

The primary goal of this study was to charac-

terize, for the first time, N dynamics relative to

MFW structure in this understudied, eutrophic

system. Specific objectives were to: (1) measure

water column NH4
+ regeneration and potential

uptake rates; (2) measure sediment N fluxes and

transformation rates; (3) compare sediment N

transformation rates with water column N cycling

rates; and (4) relate microbial plankton compo-

sition and distribution to N cycling rates.

Materials and methods

Site description

Four stations were selected along the Liangxihe

River discharge gradient from Meiliang Bay to

the main lake (Fig. 1). Stations were located at

the Liangxihe River discharge into Meiliang Bay

(river; ‘‘A’’ on Fig. 1), inner Meiliang Bay (inner

bay; ‘‘B’’ on Fig. 1), outer Meiliang Bay (outer

bay; ‘‘C’’ on Fig. 1), and the main lake (‘‘D’’ on

Fig. 1). These stations correspond to monitoring

stations (0, 1, 3, and 7, respectively) along a larger

transect detailed in previous work (Cai et al.,

1997; Chen et al., 2003). Sampling occurred on 26

Sept 2002 (outer bay and main lake) and 2 Oct

2002 (river and inner bay). Data from triplicate

incubation chambers were averaged for each

measured parameter or flux. Standard errors were

calculated to determine replicate variation and

are reported with means as plus/minus (±) one

standard error (SE).

Water column characteristics

Water depth was estimated using a wooden pole

and tape measure. Turbidity was estimated using

a ~30 cm Secchi disc, and surface water temper-

ature was measured with a mercury thermometer.

Dissolved oxygen concentration (DO) was mea-

sured using Winkler titration, and chlorophyll a

concentration (chl) was measured using hot eth-

anol extraction followed by spectrophotometry

(Chen et al., 2003).

Water column nutrient {NO3
– + nitrite (NO2

–),

NO2
–, and ortho-phosphate (o-PO4

3–)} samples

were filtered with 0.2 lm syringe filters (Osmon-

ics) and frozen in 14 ml snap-cap tubes (Falcon).

NH4
+ samples were filtered (0.2 lm syringe filter)

and frozen in 8 ml glass vials (Wheaton). Frozen

samples were carried to the University of Texas

Marine Science Institute (UTMSI) for flow-injec-

tion analysis of NO3
– + NO2

–, NO2
–, and PO4

3–

(Lachat QuikChem 8000) and high performance

liquid chromatographic (HPLC) NH4
+ analysis

(Gardner et al., 1995a). Total N (TN) and total P

(TP) were determined by persulfate oxidation

and spectrophotometry (Jin & Tu, 1990). Total P

was oxidized to PO4
3– at 120�C. TN and TP

recovery efficiencies were 98.4% and 99.7%,

respectively.

Water column NH4
+ regeneration and uptake

Water from each site was collected in 2 l plastic

bottles, returned to the Taihu Laboratory for

Lake Ecosystem Research (TLLER), enriched

with 99.8% 15NH4Cl (Isotec; 16 lmol l–1 final

isotope concentration), and partitioned into trip-

licate light and dark 70 ml tissue culture bottles

(Corning). Dark bottles were wrapped with alu-

minum foil. Initial samples were collected imme-

diately after enrichment and mixing, filtered

(0.2 lm syringe filter), and frozen in 8 ml glass

vials (Wheaton). Bottles were incubated in a
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mesh bag suspended from the TLLER pier into

surface water. Intermediate samples were col-

lected after 4 (river and inner bay) or 11 h (outer

bay and main lake), filtered, and frozen. Inter-

mediate samples were collected to coincide with

day/night transition. Final samples were collected

after 20 h, filtered, and frozen. All frozen samples

were hand-carried to UTMSI for analysis of total

NH4
+ concentration and atom % 15N using HPLC

(Gardner et al., 1995a). Ammonium regeneration

and potential uptake rates were calculated from

these data using the Blackburn/Caperon isotope

dilution model (Blackburn, 1979; Caperon et al.,

1979). NH4
+ uptake rates in this study are qualified

as ‘‘potential’’, and no instances of complete

isotope substrate depletion were observed.

Sediment–water interface incubations

Triplicate sediment cores (depth 15–20 cm) were

collected from each site using a coring device

allowing acrylic tube (30.5 cm length, 7.6 cm

inside diameter, 0.32 cm wall thickness) insertion

into the sediment with minimal disturbance and

overlying water retention. Sediment cores with

overlying water were sealed immediately at both

ends with butyl caps and electrical tape. Near-

bottom water from each site was collected into

two ~20 l carboys using a submersible pump.

Cyanobacteria formed a ‘‘scum’’ covering the

water surface at all sampling stations. The water

column also was turbid from wind-driven sedi-

ment resuspension. Thus, the sediment–water

interface was expected to receive little or no

light, and intact sediment cores with overlying

water were wrapped with aluminum foil to

prevent light effects. Wind-driven turbulence

and a shallow water column also maintain bottom

water normoxia. Therefore, carboys with bottom

water were aerated using an aquarium air pump

to maintain oxic conditions in overlying water.

Cores were installed into a flow-through incu-

bation system (Lavrentyev et al., 2000; McCarthy

& Gardner, 2003) consisting of aerated bottom

water, a multi-channel proportioning pump

(Technicon), transmission tubing (Teflon), and

an acetol plunger with Viton o-ring. The plunger

was positioned ~5 cm above the sediment surface

to give ~230 ml of overlying water volume (An &

Gardner, 2002). This system maintained a gas-

tight setting with inflow (flow rate @ 0.072 l h–1)

from the bottom water carboy and outflow from

positive displacement of overlying water. The

cores were placed in a water bath maintained at in

situ temperature and allowed to reestablish

steady-state overnight.

After the pre-incubation period, discreet inflow

(from bottom water carboy) and outflow samples

were collected daily for 2 days for nutrient

analyses as described above. Nutrient fluxes (in

lmol m–2 h–1) were calculated by: (Co– Ci) x f/a,

where Co is the outflow concentration in lmol l–1,

Ci is the inflow concentration, f is the flow rate

(0.072 l h–1), and a is the sediment surface area

(0.0045 m2).

Dissolved gas samples were collected from

core outflow by overflowing 15 ml ground-glass

stopper test tubes (Chemglass; 19.8 cm length and

1 cm ID), injecting 200 ll 50% ZnCl2, and

inserting the ground-glass stopper quickly while

twisting to prevent air bubble entrapment. Para-

film was wrapped around the top of the tubes,

which were stored under water in 4 l bottles

(Nalgene) to prevent large temperature changes.

Samples were hand-carried to UTMSI for dis-

solved gas (N2, O2, and argon) analysis via

membrane inlet mass spectrometry (MIMS; Kana

et al., 1994; An et al., 2001; An & Gardner, 2002;

McCarthy & Gardner, 2003). Net N2 flux and

sediment O2 demand (SOD; O2 flux) were calcu-

lated from the flux formula above. In the absence

of N fixation, net N2 flux provides a reasonable

estimate for ‘‘actual’’ denitrification rates.

Bottom water was enriched with 98% Na15NO3
–

(~100 lmol l–1 final isotope concentration) after

the second sampling day. Samples were collected

for two more days for 28N2,
29N2, and 30N2

analysis via MIMS (An et al., 2001; An &

Gardner, 2002). These data allowed isotope

pairing (Nielsen, 1992) analysis of potential deni-

trification (sum of 28N2,
29N2, and

30N2 fluxes and

N fixation) driven by 14N and 15N pools and

simultaneous evaluation of N fixation. Potential

denitrification, 14N and 15N denitrification, and N

fixation calculations are detailed in An et al.

(2001). Ammonium isotope ratios obtained by

HPLC (Gardner et al., 1995a) allowed calculation

of 15NH4
+ concentrations and, using the above flux
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formula, 15NH4
+ production (potential DNRA; An

& Gardner, 2002).

MIMS uses a quadrupole mass spectrometer

(QMS) to detect dissolved gases in water. The

QMS ion source ionizes gases and produces O+

ions, which react with N2 to form nitric oxide

(NO; Eyre et al., 2002). This scavenging results in

a lower N2 signal at high O2 concentrations, and

vice versa, and may lead to over- or under-

estimation of denitrification rates. The error,

however, is machine dependant (Eyre et al.,

2002), and the extent of this effect was small

(0.13%) on the QMS used in this study (McCar-

thy & Gardner, 2003). Also, sulfide can inhibit the

final step in denitrification (nitrous oxide

(N2O) fi N2) and lead to N2O release (Nedwell

& Dong, 2002). Since MIMS uses N2:Ar to

determine N2 and a liquid N2 trap to remove

interferences (Kana et al., 1994), denitrification

leading to N2O release is not detected and may

cause rate underestimation.

Water column MFW structure

Heterotrophic bacteria and phototrophic pico-

plankton were quantified from 1% formalin-fixed

samples using epifluorescence microscopy (EFM;

Olympus BX-40). Heterotrophic bacteria were

stained with DAPI (Porter & Feig, 1980) and

sonicated to count attached bacteria (Velji &

Albright, 1993). Attached bacterial abundance

was the calculated difference between total cell

number (treated samples) and total free-sus-

pended cells (untreated samples). Bacterial cells

were measured with a SPOT-2 digital camera and

Image Pro 4.5 software. Bacterial and picocyano-

bacterial biovolumes were converted to carbon

following Loferer-Krossbacher et al. (1998) and

Menden-Deuer & Lessard (2000), respectively.

Heterotrophic nanoflagellates (HNF) were

preserved with 1% formaldehyde, concentrated

onto black 0.8 lm polycarbonate membrane fil-

ters, and counted using EFM following dual-

staining with FITC/DAPI (Sherr et al., 1993).

Lugol’s iodine preserved microplankton were

settled overnight in 20–50 ml chambers and

counted with an Olympus IX-70 inverted differ-

ential interference contrast (DIC) microscope.

Linear dimensions of 30–90 individuals (fewer for

less abundant taxa) were measured at 400–600·
and converted to volumes using appropriate

geometric shapes. Tintinnid volume was deter-

mined using the same approach as for aloricate

protists, since they were clearly visible under

DIC. Phytoplankton and HNF volumes were

converted to carbon following Menden-Deuer &

Lessard (2000). Ciliate and rotifer volumes were

converted following Putt & Stoecker (1989) and

Fahnenstiel et al. (1998), respectively.

Results

Water column characteristics

Site data for sampling stations are provided in

Table 1. All sites except ‘river’ were deeper than

the mean lake depth. Mean DO

(8.4 ± 0.2 mg O2 l
–1) was near saturation (8.6;

Colt, 1984) for the mean temperature

(22.7 ± 0.4�C). Nutrient concentrations decreased

along the transect except PO4
3– concentrations

were low at all sites. TN:TP was about eight-fold

higher at ‘river’ versus the other sites.

Water column NH4
+ regeneration and uptake

Water column NH4
+ regeneration and potential

uptake rates (hereafter ‘‘regeneration’’ and ‘‘up-

take’’) were an order of magnitude higher at

‘river’ than the other sites (Fig. 2). Light/dark

uptake differences were observed at all sites.

Light/dark differences in regeneration were ob-

served at ‘river’ and ‘outer bay’. Light uptake was

higher than light regeneration at all sites.

Sediment–water interface nutrient fluxes

Benthic nutrient fluxes were higher at ‘river’ than

the other sites (Table 2). Mean sediment DIN

flux for all sites (129 ± 34 lmol N m–2 h–1) was

almost two orders of magnitude higher than

PO4
3– flux (1.4 ± 0.6 lmol P m–2 h–1). Mean NO2

–

(–7.2 ± 3.3 lmol N m–2 h–1) and NO3
– (–13.1 ±

9.6 lmol N m–2 h–1) fluxes for all sites were

negative due to high fluxes into the sediment at

‘river’. Lake Taihu sediments were a source of

NH4
+ (149 ± 47 lmol N m–2 h–1).
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SOD, denitrification, and N2 fixation

Before isotope addition, SOD (in lmol O2 m
–2 h–1)

ranged from 750 ± 0.2 at ‘outer bay’ to 1350 ± 83

at ‘river’ and was similar at ‘inner bay’ (950 ± 32)

and ‘main lake’ (970 ± 23). Net N2 flux (in

lmol N m–2 h–1) decreased along the transect

before and after 15NO3
– addition (Fig. 3). N

fixation (after 15NO3
– addition) was observed only

at ‘main lake’ (14 ± 10 lmol N m–2 h–1).

Thus, net N2 fluxes before isotope addition likely

reflect ‘‘actual’’ denitrification rates at the other

sites.

Potential denitrification was equivalent to net

N2 flux after 15NO3
– addition (Fig. 4) except at

‘main lake’, where N fixation was observed.

Denitrification fueled by 15NO3
– and the 14N pool

Fig. 2 Light (L) and dark (D) water column ammonium
(NH4

+) regeneration (Reg) and potential uptake rates plus/
minus one standard error

Table 2 Lake Taihu
sediment–water interface
nutrient fluxes (lmol N or
P m–2 h–1) plus/minus one
standard error

See Table 1 legend for
nutrient abbreviations

Nutrient River Inner Bay Outer Bay Main Lake

NH4
+ 490 ± 31 40 ± 19 20 ± 0.5 45 ± 1.4

NO3
– –83 ± 6.8 5.8 ± 11 12 ± 0.1 13 ± 1.2

NO2
– –31 ± 3.8 –2.0 ± 0.4 0.08 ± 0.05 4.2 ± 0.5

DIN 380 ± 27 44 ± 7.2 33 ± 0.6 63 ± 3.1
PO4

3– 5.2 ± 0.2 1.2 ± 0.5 0.8 ± 1.0 –1.5 ± 0.9

Table 1 Site
characteristics for Lake
Taihu sampling stations

Lat (N) = north latitude
in degrees, minutes,
seconds (d, m, s). Long
(E) = east longitude.
Temp = temperature.
NH4

+ = ammonium.
NO3

– = nitrate.
NO2

– = nitrite.
NOx = NO3

– + NO2
–.

PO4
3– = ortho-phosphate.

TN = total N. TP = total
P. Chl a = chlorophyll a.
DO = dissolved oxygen

Parameter Units River Inner Bay Outer Bay Main Lake

Lat (N) d, m, s 31, 32, 17 31, 29, 37 31, 26, 16 31, 21, 0
Long (E) d, m, s 120, 13, 17 120, 11, 51 120, 11, 12 120, 10, 58
Depth m 1.4 2.6 2.9 2.8
Temp �C 23.8 22.4 22.4 22.0
pH su 8.65 9.04 9.08 8.55
Secchi m 0.35 0.35 0.50 0.40
NH4

+ lmol l–1 185 3.4 2.9 0.07
NO3

– lmol l–1 73.3 6.4 0.14 0.35
NO2

– lmol l–1 13.8 0.6 0.02 0.06
NH4

+:NOx 2.1 0.5 17.9 0.2
PO4

3– lmol l–1 0.18 0.25 0.22 0.04
TN lmol l–1 135 20.7 20.6 27.4
TP lmol l–1 1.5 1.7 2.5 2.0
TN:TP 89 12 8 13
Chl a lg l–1 85.4 4.5 3.9 14.0
DO Mg l–1 8.3 9.0 8.3 8.0

Fig. 3 Sediment–water interface net dinitrogen (N2) flux
before and after isotope (15NO3

–) addition plus/minus one
standard error
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were similar at ‘river’, but the 15N pool accounted

for more potential denitrification than the 14N

pool at the other sites (Fig. 5).

Potential DNRA

Potential DNRA (in lmol N m–2 h–1) was ob-

served at all sites in Lake Taihu (data not shown).

Potential DNRA rates ranged from 0.4 ± 0.1 at

‘outer bay’ to 250 ± 80 at ‘river’ and were

9.5 ± 2.4 at ‘inner bay’ and 3.0 ± 1.9 at ‘main

lake.

Water column MFW structure

Cyanobacteria were abundant at all sites during

sampling (Table 3). Maximum phytoplankton

biomass was observed at ‘river’ and dominated

by large (>10,000 lm3) euglenophytes (~80%;

Fig. 6). The ‘‘edible’’ (to microbial grazers) frac-

tion (i.e. < 200 lm3) was mostly cryptophytes.

Bacteria also reached maximum abundance

(5 · 107 cells ml–1) at ‘river’, but >67% were

aggregated or attached to particles, and the

median cell volume was minimal (0.033 lm3).

Rotifers (mostly Polyarthra remata) accounted

for >50% of micrograzer biomass (HNF + cili-

ates + rotifers). The choreotrich ciliate, Strobili-

dium spp., and colorless nano-chysophytes

dominated heterotrophic protists.

Meiliang Bay sites (inner bay and outer bay)

had lower phytoplankton biomass consisting of

green algae, cyanobacteria, and diatoms (Table 3;

Fig. 6). Heterotrophic biomass in Meiliang Bay

also was lower versus ‘river’, but to a lesser extent

than for bacterioplankton alone, which were

represented by large cells (median

vol. = 0.085 lm3). The colonial peritrich ciliate

Epystilis rotans, chrysophytes, and rotifers As-

planchna priodonta and Brachionus spp. domi-

nated the microbial grazers.

The main lake site had higher phytoplankton

biomass than Meiliang Bay sites and was domi-

nated by Anabaena flos-aquae and Synechococ-

cus-like picocyanobacteria (>50%; Fig. 6).

Bacterial biomass was lowest (cell volume

0.05 lm3), but micrograzer biomass was high,

primarily due to the tintinnid ciliate Codonella

cratera and a diverse HNF assemblage, including

chysophytes, kinetoplastids, and choanoflagel-

lates.

Discussion

Water column nutrients and phytoplankton

Nutrients in Lake Taihu followed the expected

pattern of decreasing concentrations with distance

from river outflow. Possible explanations include

dilution via physical transport (i.e. wind-driven

currents), higher nutrient uptake versus regener-

ation rates along the transect, and nutrient sinks,

such as sediment burial and denitrification.

High TN:TP ratios at ‘river’(Table 1) support

P-limitation observations (Cai et al., 1997; Hu-

ang, 2000; Chen et al., 2003). However, TN:TP

ratios below Redfield (~16) at the other sites

Fig. 4 Sediment–water interface potential (Tot) denitrifi-
cation (DNF) after isotope (15NO3

–) addition plus/minus
one standard error

Fig. 5 Ratio of denitrification (DNF) fueled by 15N versus
14N nitrate (15:14) pools plus/minus one standard error
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indicate surplus P and conditions conducive to

cyanobacteria (Jacoby et al., 2000). Nutrient

concentrations in Meiliang Bay are lowest in

summer (wet season) and highest in winter (dry

season), when biological activity decreases and

inverse water flow occurs (Cai et al., 1997). Thus,

nutrient limitation status may change in different

seasons.

Nutrient concentrations and algal standing

stocks are important factors affecting cyanobac-

teria dominance (Downing et al., 2001). Transect

NH4
+:NOx ratios were >1 at ‘river’ and ‘outer bay’

and <1 at ‘inner bay’ and ‘main lake’ (Table 1).

Cyanobacteria percentage biomass, relative to

total phytoplankton biomass, was highest at ‘main

lake’ (Table 3), where the NO3
– proportion

peaked and NH4
+ likely was depleted by cyano-

bacteria. Diatom percentage biomass peaked at

‘outer bay’, where highest NH4
+:NOx was ob-

served, likely due to NO3
– uptake by diatoms

(Hyenstrand et al., 1998). Percentage cyanobacteria

Table 3 Phytoplankton (Phyto) and microbial food web (MFW) characteristics during Lake Taihu sampling

River Inner Bay Outer Bay Main Lake

MFW llg C l–1 Phytoplankton 6930 149 55.4 518
Bacteria 577 292 263 157
HNF 20.8 8.94 6.97 15.1
Ciliates 35.3 13.5 10.3 52.9
Rotifers 63.8 3.57 5.75 2.62

Phyto. %phyto Chlorophytes 4.90 41.8 27.4 33.5
Cyanobacteria 1.90 28.6 37.2 59.7
Diatoms 2.00 6.60 16.7 5.87
Euglenophytes 78.9 0 0 0
Varia (i.e. cryptophytes) 12.2 23.0 18.7 0.96

Cyanos %phyto Anabaena 0.14 14.5 6.01 38.9
Synechococcus 0.2 6.8 29.9 11.7
Aphanizomenon 0 0 0 3.68
Total N-fixers 0.33 21.3 35.9 54.3
Microcystis 0.80 7.33 1.27 0.14

Ratios 1 Bacteria:NH4
+ 0.22 6.13 6.48 160.2

2 Chl:DIN 0.02 0.03 0.09 2.08
3 Chl:NH4

+ 0.03 0.09 0.09 14.28
4 Chl:NO3

– 0.08 0.05 1.96 2.86
5 Chl:PO4

3– 15.3 0.58 0.56 11.3
6 Diatom:NO3

– 3.18 8.5 216 278
7 Diatom:PO4

3– 41.8 7.02 4.43 78.5
8 Heterotrophs:Chl 0.10 2.13 5.16 0.44
9 MZP:total phyto 0.01 0.11 0.29 0.11
10 MZP:edible phyto 0.56 0.63 0.58 0.54
11 Protists:bacteria 0.10 0.08 0.07 0.43
12 Light uptake:Chl 49.0 63.0 95.3 23.1
13 Light reg:hetero C 3.61 0.59 0.66 0.48
14 Dark reg:hetero C 1.28 0.59 0.39 0.60

% phyto = proportion of phytoplankton groups to total phytoplankton; Cyanos = cyanobacteria; C = Carbon;
HNF = heterotrophic nanoflagellates; Chl = chlorophyll; MZP = microzooplankton; Reg = regeneration;
Hetero = heterotrophic. See Table 1 legend for nutrient abbreviations

Fig. 6 Proportions of chlorophytes, cyanobacteria, dia-
toms, euglenophytes, and varia (mostly cryptophytes) in
total phytoplankton biomass
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biomass was greater than for diatoms at all sites

except ‘river’. Phytoplankton biomass at ‘river’

was dominated (79%) by Euglena spp., which are

common in hypereutrophic systems (Hewson

et al., 2001).

Water column NH4
+ regeneration and uptake

Water column NH4
+ cycling rates in Lake Taihu

were within ranges observed in other eutrophic

systems. High regeneration and uptake (Fig. 2) at

‘river’ are not surprising given high DIN concen-

tration and phytoplankton biomass. Similar rates

were observed in the Mississippi River plume

(Bode & Dortch, 1996) and hypereutrophic Lake

Maracaibo (Gardner et al., 2000). Uptake in Lake

Okeechobee (0.67 lmol l–1 h–1; Gu et al., 1997)

was lower than the rate at ‘river’ but in the same

range as those from Meiliang Bay and the main

lake. Regeneration and uptake at sites other than

‘river’ were higher than oligotrophic Great Lakes

(Gardner et al., 1995b) but lower than south

Texas coastal waters (McCarthy et al., unpub.

data).

Light/dark uptake differences were observed at

all sites (Fig. 2). This result supports the idea that

N is not limiting, since phytoplankton uptake

depends less on light during N stress (Cochlan

et al., 1991). However, light/dark uptake differ-

ences are less pronounced in N limited versus N

replete systems (Cochlan et al., 1991). Light-to-

dark uptake ratio was ~1.7 (less pronounced) at

‘inner bay’ and ‘main lake’ and 2.4 and 3.5 (more

pronounced) at ‘river’ and ‘outer bay’, respec-

tively. This observation suggests possible N lim-

itation at ‘inner bay’ and ‘main lake’. Lack of

light/dark regeneration differences at these sites

also is consistent with N limitation (Fig. 2; Gard-

ner et al., 2000), since N-starved heterotrophs

may retain N for biomass rather than release it.

Light/dark uptake differences also may reflect

autotrophic versus heterotrophic dominance,

especially when those differences are more pro-

nounced (‘river’ and ‘outer bay’).

Sediment–water interface nutrient fluxes

Cyanobacteria may acquire sufficient P to sustain

all pelagic growth from sediments, thus avoiding

competition with other phytoplankton (Blomqvist

et al., 1994). Low water column PO4
3– concentra-

tions (Table 1) and PO4
3– flux out of the sediments

(Table 2) at ‘river’ and ‘inner bay’ indicate rapid

P uptake and support P limitation observations at

these sites. No sediment P flux at ‘outer bay’ and

negative flux at ‘main lake’ (Table 2) are consis-

tent with water column TN:TP observations

below Redfield and suggest N limitation or co-

limitation in outer Meiliang Bay and the main

lake.

Positive NH4
+ flux at all sites (Table 2) indi-

cates high organic matter inputs and rapid rem-

ineralization (including DNRA). Cyanobacteria

in Lake Taihu may be fueled in part by sediment

NH4
+ flux into the water column, especially at

‘main lake’ where DIN concentration was below

0.5 lmol l–1 (Table 1). Negative NO3
– flux at

‘river’ may reflect denitrification and/or DNRA

fueled by water column NO3
–. Positive NO3

– flux at

‘outer bay’ and ‘main lake’ can be explained by

sediment nitrification. Small positive NO2
– fluxes

at these sites may result from incomplete nitrifi-

cation and/or denitrification, since NO2
– is an

intermediate in both processes (Zumft, 1997).

N2 fixation

Nitrogen fixation was not observed in Meiliang

Bay (including ‘river’). Before isotope addition,

net N2 flux at ‘main lake’ was negative, but

standard error bars overlapped with zero, indi-

cating that denitrification and N fixation were in

balance. This site had the highest water column

N-fixer biomass (Table 3). Anabaena comprised

nearly 40% of total phytoplankton biomass, and

‘main lake’ is the only site where Aphanizomenon

was observed. Phytobenthos were not evaluated,

so it cannot be assumed that these N-fixers were

responsible for observed sediment N fixation.

However, high water column N-fixer abundance

and sediment N fixation further support possible

N limitation at this site (Dokulil & Teubner,

2000).

Denitrification

Sediments provide a site for denitrification, which

can drive aquatic systems toward N limitation and
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regulate nutrient supply ratios (Seitzinger, 1988).

Denitrification in Meiliang Bay may be a factor in

observed evidence for N limitation in the main

lake. If excess N is denitrified before physical

transport via wind-driven currents moves it to the

main lake, then it follows that organisms in the

main lake may have to rely on other N sources,

such as fixation. Lack of N fixation at Meiliang

Bay sites (including ‘river’) indicates that net N2

fluxes before isotope addition (Fig. 3) may reflect

‘‘actual’’ denitrification rates, assuming no N2O

release from incomplete denitrification. Increases

in net N2 flux after 15NO3
– addition (Fig. 3)

indicate that potential denitrification may be

substrate limited, especially at ‘outer bay’ and

‘main lake’, where water column NO3
– was low

(Table 1). Another possible explanation for

increased net N2 flux after isotope addition is

that the sediment core incubations eliminated

wind-driven turbulence and resuspension, thus

allowing settlement of suspended particles and

development of a more defined redox gradient.

After 2 days of incubation, redox conditions may

have become inhibitory for nitrifiers and stimula-

tive for denitrifiers, which could take advantage

of increased substrate (as 15NO3
–) to replace NO3

–

supply from decreased nitrification.

Decreases in potential denitrification along the

transect may reflect diminishing organic matter

availability (Fig. 4). Denitrification fueled by
15NO3

– versus the 14NO3
– pool (from water column

or coupled to nitrification) shows substrate stim-

ulation (Fig. 5), especially at sites further from

river discharge. Decreasing water column NO3
–

concentrations along this gradient may result

from lower nitrification and lead to reduced

nitrification/denitrification coupling and increased

dependence on water column NO3
–.

DNRA

Since NH4
+ is a primary factor in cyanobacterial

dominance, it is important to characterize N

transformations capable of maintaining NH4
+ in

the system. DNRA is associated with sulfidic

estuarine or marine sediments (Tiedje, 1988; An

& Gardner, 2002) but also can comprise up to

30% of NO3
– reduction in lake sediments (Tiedje,

1988). Potential denitrification to DNRA parti-

tioning ratios (DNF:DNRA) in Lake Taihu were

1.6 at ‘river’, 14.6 at ‘inner bay’, 315 at ‘outer bay’,

and 35 at ‘main lake’ (data not shown). Since

DNRA depends more on organic matter avail-

ability than NO3
– concentration (Tiedje, 1988),

higher DNF:DNRA may reflect organic matter

limitation of DNRA away from river discharge.

While potentially a meaningful process at ‘river’,

DNRA is not as important as fixed N removal via

denitrification at the other sites.

Water column versus sediment NH4
+

regeneration

Depth-averaged water column NH4
+ regeneration

(water column regeneration converted from

lmol N l–1 h–1 to lmol N m–2 h–1 given depth)

and sediment N recycling rates (sum of denitri-

fication and net DIN flux, which includes DNRA;

Table 4) indicates that Lake Taihu nutrient min-

eralization was four to six times higher in the

water column versus sediments. Thus, primary

production appears to be driven primarily by

Table 4 Comparison of depth averaged water column (WC) and sediment (Sed) nitrogen regeneration (reg) in Lake Taihu

River Inner Bay Outer Bay Main Lake

DNF 180 77 52 8
DIN flux 380 44 33 63
Sed reg 560 121 85 71
WC reg 3520 480 560 310
WC:sed 6.3 4.0 6.6 4.4
WC:DIN 9.3 10.9 17.0 4.9

Fluxes in lmol N m–2 h–1. Sediment regeneration determined by adding denitrification (DNF) and net dissolved inorganic N
(DIN) flux before 15NO3

– addition. DNF at ‘main lake’ determined by adding net N2 flux before
15NO3

– addition to calculated
nitrogen fixation rate
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water column processes. This dependence is more

pronounced if denitrification is excluded from the

sediment calculation (WC Reg:DIN; Table 4),

since denitrification results in N removal from the

system.

MFW structure and N cycling

MFW structure shows a general shift from auto-

trophic to heterotrophic dominance along the

river to lake transect. Nutrient concentration and

cycling rate comparisons with MFW structure

indicate increasing N limitation along the transect

(ratio #’s 2, 3, 4, and 6; Table 3). Interestingly, the

light uptake-to-chl ratio (#12) was lowest at ‘main

lake’, but N fixers may have accumulated suffi-

cient N and, thus, did not respond to 15N addition.

Diatom biomass-to-NO3
– ratio (#6) indicates

severe N limitation at ‘outer bay’ and ‘main lake’.

High regeneration-to-heterotrophic biomass ra-

tios (#’s 13 and 14) at ‘river’ may indicate

heterotrophic bacterial NH4
+ recycling. Recycling

at all other sites, particularly ‘main lake’, likely is

driven by grazing, since bacteria may become N

limited as indicated by a higher bacteria-to-NH4
+

ratio (#1).

The microzooplankton (ciliates and rotifers)-

to-‘‘edible’’ phytoplankton biomass ratio (#10)

remained remarkably constant along the transect,

indicating tight trophic coupling between these

groups, despite sharp variation in the microzoo-

plankton-to-total phytoplankton biomass ratio

(#9). Strong grazing pressure on nanoplankton

may help cyanobacteria by eliminating competi-

tors for limiting nutrients. Grazers often are

ineffective at preying on colonial cyanobacteria

due to colony size, potential toxicity, and/or

gelatinous envelopes (Dokulil & Teubner, 2000).

However, grazers prey on competing phytoplank-

ton (i.e. diatoms) and transform organic N to

NH4
+ via excretion (Shapiro, 1990). Although

large colonial cyanobacteria and euglenophytes

may not be involved in direct herbivorous trophic

transfers within the MFW, the latter group are

mixotrophs (i.e. can combine autotrophic and

heterotrophic modes of nutrition). Therefore,

nutrient limitation is less likely to affect these

taxa, since they can obtain nutrients by grazing on

bacteria and picocyanobacteria.

Low chl:PO4
3– (#5) and diatom:PO4

3– ratios (#7)

at ‘inner bay’ may be due to top-down pressure

rather than N limitation. Greater than 1,000

cladocerans l–1 were present at this site. Higher

heterotrophic C-to-chl ratio (#8), predominance

of mesoplankton-sized ciliate colonies (less vul-

nerable to cladoceran grazing), and lower protist-

to-bacteria ratio (#11) also support this sugges-

tion. The latter ratio also indicates strong bacte-

rial grazing pressure at ‘river’ and ‘main lake’,

particularly if only suspended cells are considered

at ‘river’ (ratio increases to 0.29). Bacteria may

dominate plankton biomass in Meiliang Bay due

to sediment resuspension introducing benthic

bacteria into the water column, indicated by

unusually large bacterial cells and balanced dark

NH4
+ regeneration and uptake.

Conclusions

Nitrogen dynamics relative to MFW composition

were characterized along the Liangxihe River

discharge gradient in and around Meiliang Bay,

Lake Taihu, during late summer/early fall cyano-

bacteria bloom conditions. The observations pro-

vide insights into ecological characteristics of a

subtropical, shallow, well-mixed, eutrophic lake.

The most interesting finding is that N limits or co-

limits primary production in and near central

Lake Taihu, contrary to the previous paradigm of

exclusive P limitation. A gradient was observed

from strong P limitation at the river discharge to

N limitation or co-limitation in the main lake.

Denitrification in Meiliang Bay may drive main

lake N limitation by removing excess N before

physical forces transport it to the main lake. This

result also exemplifies the importance of charac-

terizing N cycling in freshwater systems, where

most studies have focused on P dynamics.

Another important finding is the importance of

water column N recycling relative to sediment

processes. Nutrient flux from Lake Taihu sedi-

ments do not appear to drive primary production

during late summer/early fall when cyanobacteria

bloom conditions are beginning to wane. How-

ever, sediments have an important role in nutrient

and MFW dynamics by providing a site for

denitrification, which, in conjunction with N
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fixation and other processes, can regulate avail-

able nutrient ratios. Reflecting N cycling patterns,

MFW structure shifted from autotrophic (phyto-

plankton dominated) at the river discharge to

heterotrophic (bacteria dominated) in and near

the main lake. More studies are needed to

evaluate seasonal and spatial variability in nutri-

ent limitation status, N transformation rates, and

phytoplankton and MFW structure and function

in Lake Taihu.
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EUTROPHICATION IN LAKES

Different competitive outcomes among four species
of cladocerans under different alga combinations
of colonial Microcystis spp. and green alga
Scenedesmus obliquus

Feizhou Chen Æ Ping Xie Æ Boqiang Qin
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Abstract Cyanobacteria blooms (especially

Microcystis spp.) are thought to alter dominance

of large-sized daphnids into small-sized metazoan

zooplankton. However, several field investiga-

tions show different phenomena. Laboratory

experiments were conducted based on the

hypothesis that different Microcystis spp. concen-

trations would influence competitive outcomes

using two algal combinations of different concen-

trations and four species of cladocerans. In the

algal combination of 50 mg l–1 colonial Microcys-

tis spp. + 1 mg l–1 Scenedesmus obliquus (fresh

weight), Daphnia carinata was absent during the

experiment in competition with other cladocer-

ans. Decreasing colonial Microcystis spp. concen-

tration (10 mg l–1) resulted in a shift from

dominance by small-sized cladocerans to domi-

nance by D. carinata. No significant effects of

different concentrations of colonial Microcystis

spp. on competitive outcomes were shown among

three small-sized cladocerans. These results sup-

port the idea that cyanobacteria concentration

affects the dominance status of large-bodied

daphnid.

Keywords cladoceran � Daphnia �
competition � Microcystis spp.

Introduction

Cyanobacteria blooms, often occurring in eutro-

phic systems, can alter zooplankton community

structure by disturbing interspecific actions. Gen-

erally, large-sized species often are replaced by

small-sized species (e.g. Infante & Riehl, 1984).

For example, Ceriodaphnia and Bosmina re-

placed the large-sized cladoceran Daphnia amb-

igua during a cyanobacteria bloom (Allan, 1977).

Other field investigations showed that large-sized

cladocerans dominated during blooms (George &

Edwards, 1974; Kim et al., 2001). In another case,

colonial Microcystis did not favor rotifers

(Brachionus calyciflorus) in competition with

D. ambigua (Fulton & Paerl, 1988).

Many factors, including concentration, size,

Microcystis toxin and alternative food abundance
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during blooms may result in zooplankton shifts

(Jarvis et al., 1987; Fulton & Paerl, 1988; Sarto-

nov, 1995; Chen & Xie, 2003, 2004). Different

responses of species to these factors result in

observed zooplankton community structure.

Since there is little or no evidence for lethal

effects of toxic cyanobacteria on crustacean

plankton (Haney, 1987) and disregarding effects

of planktivorous fish, zooplankton shifts during

cyanobacteria blooms may be determined, to

a certain extent, by biomass/concentration of

cyanobacteria and alternative food. Low concen-

trations of edible algae favors small-sized cladoc-

erans, while high concentrations favor large-sized

cladocerans, such as Daphnia (Goulden et al.,

1982; Tessier & Goulden, 1987). However, the

opposite also has been reported (Nandini et al.,

2002). During cyanobacteria blooms, alternative

food availability may influence competition

outcomes, except feeding inhibition. Although

colonial Microcystis spp. did not favor D. amb-

igua in competition with Diaphanosoma brachyu-

rum and Bosmina longirostris in a laboratory

experiment (Fulton & Paerl, 1988), field investi-

gation showed daphnid dominance in the cladoc-

eran community. In the present study, we

hypothesized that different colonial Microcystis

spp. concentrations could affect competition

outcomes among cladocerans, expecially large-

sized daphnids and small-sized cladocerans.

Two concentration combinations of colonial

Microcystis spp. and green alga S. obliquus were

used to test the hypothesis.

Materials and methods

All stock culture and experimental procedures

were conducted at 25�C ± 0.5�C and a 12:12

(hours light:dark) photoperiod. Wild Daphnia

carinata, Moina micrura, D. brachyurum and

Ceriodaphnia cornuta were collected from Lake

Donghu and reared through many generations in

the laboratory. S. obliquus, a green alga, was

sourced from cultures maintained by the Institute

of Hydrobiology of the Chinese Academy of

Sciences. Sceneesmus obliquus was cultured in

Shuisheng VI medium (Li et al., 1959) with

aeration. Colonial Microcystis spp. (90–95%

Microcystis aeruginosa) was collected from a

dense bloom in a nearby fishpond, and previous

work indicated that this population produced

microcystin that was lethal toDaphnia magna and

D. carinata (Carmichael et al., 1988; He et al.,

1997; Chen & Xie, 2004). Microcystin concentra-

tion was 4.5 · 10–6 lg cell–1. Colonial Microcystis

between 64–112 lm were used for competitive

experiments. A low concentration of this size

range of Microcystis improves development of

D. carinata (Chen & Xie, 2003). When colonies

were destroyed by ultrasonic waves, toxicity to

D. carinata increased (Chen & Xie, 2004). Thus,

toxicity to cladocerans was less in this study and

can be neglected. Colonies were held at 4–6�C in

the dark for 24–48 h prior to experiments.

During the cyanobacteria bloom in Lake

Donghu, Microcystis spp. biomass ranged from

0 to 46 mg l–1 (fresh weight) (Tang, 2002). Two

algal biomass combinations were used: 10 mg l–1

colonial Microcystis spp. + 1 mg l–1 S. obliquus

(hereafter 10 M:1 S), and 50 mg l–1 colonial Mi-

crocystis spp. + 1 mg l–1 S. obliquus (hereafter

50 M:1 S). Algal biomass was fresh weight. Each

combination had two replicates, and each repli-

cate included 10 neonates (<12 h old) for D.

carinata, M. micrura, and D. brachyurum and 15

neonates for C. cornuta considering body size

difference. Experiments were conducted in a

250 ml beaker. Experiment length was deter-

mined by competitive results, and the maximum

was four weeks. The culture medium was changed

every two days, and the number of cladocerans

was counted.

Maximal population growth rate was calcu-

lated as:

g ¼ ðlnNt � lnN0Þ=t

where N0 and Nt are the mean individual number

initially and reaching highest density after t days,

respectively. For two peaks in certain growth

curves, we selected the first peak for calculation

of population growth rate. Competition compar-

ison among M. micrura, D. brachyurum and

C. cornuta was made using 2-way ANOVA with

the index of the maximal population growth

rate. All statistical analyses were conducted in

Statistica 5.1.
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Results

Competitive outcomes were different between

the two alga combinations. In the 50 M:1 S

combination, D. carinata could not compete with

M. micrura, C. cornuta, and D. brachyurum.

D. carinata was absent within 18 days. Time to

extinction of D. carinata was shortest (8 days) in

the presence of M. micrura. However, at

10 M:1 S, an equilibrium was reached in the

presence of M. micrura and C. cornuta without

any extinction (Fig. 1). For D. brachyurum,

extinction occurred within two weeks in

competition with D. carinata in the 10 M:1 S

combination.

Competitions among M. micrura, C. cornuta

and D. brachyurum were less intense than

between D. carinata and other cladocerans

(Fig. 2). No species disappeared within four

weeks in the 50 M:1 S combination, while only

C. cornuta was absent in competition with

D. brachyurum in the 10 M:1 S concentration.

Moina micrura and C. cornuta had stable density

at the end of 50 M:1 S experiments. In 10 M:1 S

trials, M. micrura dominated over C. cornuta. At

both Microcystis spp. concentrations, M. micrura

had a higher population growth rate than

D. brachyurum, but, after 10 days, its density

declined gradually along with increasing density

of D. brachyurum. C. corunta dominated in

all 50 M:1 S experiments. ANOVA analysis

indicted that algal mixtures had no significant

effect on the maximal population growth rate of

M. micrura while species and interaction had.

For D. brachyurum and C. cornuta, algal

mixtures, species and interactions had significant

Fig. 1 Cladoceran abundances (±SD) in laboratory com-
petition between Daphnia carinata and three small-sized
cladoceran at different alga combinations. Ultimate time
of experiments is four weeks. Left shows the results at the
alga combination of 50 mg l–1 colonial Microcystis

spp. + 1 mg l–1 Scenedesmus obliquus. Right at the alga
combination of 10 mg l–1 colonial Microcystis
spp. + 1 mg l–1 S. obliquus. Algal biomass is fresh weight.
Abundance showed in Y-axis is number in 250 ml

Hydrobiologia (2007) 581:209–215 211

123



effect on their maximal population growth rate

(Table 1).

Table 2 shows maximum population growth

rate (MGR) and time needed to reach MGR

(days) for three cladocerans in competition under

two algal combinations. Except for the competi-

tion between M. micrura and C. cornuta, MGR

were higher in the 10 M:1 S trials and time

reaching MGR shortened correspondingly.

Discussion

Results show that competitive outcomes among

cladocerans, especially between large-sized D.

carinata and small-sized cladocerans, are related

to colonial Microcystis spp. concentration. Low

concentrations of colonial Microcystis spp. may

not result in competitive extinction of large-sized

D. carinata, while high Microcystis spp. concen-

tration brought on its extinction.

During a cyanobacteria bloom, it is thought

that community succession is from larger-sized

cladocerans to copepods, rotifers and small-sized

cladocerans (e.g. Infante & Riehl, 1984). This has

not always been the case in laboratory experi-

ments and field investigations (Mesfin et al.,

1988). In fact, concentration, size, Microcystis

toxin, and alternative food abundance affect

zooplankton shifts. Large-sized phytoplankton

and high concentrations of colonial algae often

inhibit Daphnia sp. Feeding and interfere with

food availability (Hessen & Donk, 1993). Daph-

nia ambigua dominated without M. aeruginosa

Fig. 2 Cladoceran abundances (±SD) in laboratory com-
petition among Moina micrura, Diaphanosoma brachyu-
rum and Ceriodaphnia cornuta at different alga
combinations. Ultimate time of experiments is four weeks.
Left shows results at the alga combination of 50 mg l–1

colonialMicrocystis spp. + 1 mg l–1 Scenedesmus obliquus.
Right at the alga combination of 10 mg l–1 colonial
Microcystis spp. + 1 mg l–1 S. obliquus. Algal biomass is
fresh weight. Abundance in Y-axis is number in 250 ml
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and approached extinction with 50% and 90%

M. aeruginosa (Fulton & Paerl, 1988). Our results

show a different competitive shift for D. carinata

under different concentrations of Microcystis. For

small-sized cladocerans in the present study,

growth rate was related negatively to colonial

M. aeruginosa concentration with fixed concen-

tration of S. obliquus. D. carinata obtained the

highest growth rate at a biomass level of 10 mg l–1

colonial M. aeruginosa, indicating its ability to

utilize colonial forms (Chen & Xie, 2003). The

competitive shift in the present study was from

small-sized cladocerans to D. carinata when

concentration of colonial Microcystis spp. was

low. It appears that a low concentration of

colonial Microcystis does not lead to the general

successive pattern for zooplankton.

Colony size also affects cladoceran population

and their interactions. Only Daphnia pulex could

feed on 60–100 lm Microcystis colonies, while

Ceriodaphnia reticulata, M. micrura and Diap-

hanosoma excisum could not (Jarvis et al., 1987).

Previous work showed similar results (Chen &

Xie, 2003). The inability of the other three

cladocerans to feed on 64–112 lm Microcystis

colonies determined the status of D. carinata in

competition. In the present study, larger-sized

M. aeruginosa (>112 lm) colonies that may have

a more negative effect on D. carinata were not

evaluated. For the selected size of Microcystis

spp., inhibition of Daphnia from low Microcystis

concentration was weak, andDaphniamaintained

dominance.

Microcystin and other compounds in Micro-

cystis can be lethal to cladocerans (e.g. Jungamnn,

1992; DeMott, 1999). Keratella cochlearis was

superior in competition with D. pulex under toxic

Microcystis (Sartonov, 1995). However, there is

little or no evidence for lethal effects of toxic

cyanobacteria on crustacean plankton in the field

(Haney, 1987). In fact, many cladocerans can

coexist well with Microcystis in nature

(McNaught et al., 1997; Nandini et al., 2000).

Colonial Microcystis spp. used in the present

study had no obvious toxicity to cladocerans

based on the previous study, but it exhibited

toxicity when colonies were destroyed (Chen &

Xie, 2004). Microcystin released into the water is

thought to be inhibited by the mucilaginous

structure of the colony (Stangenberg, 1968; Goa-

rant et al., 1994). Once colonial Microcystis

decomposes, microcystin and other toxic com-

pounds are released (Watanabe et al., 1992).

Although toxicity is possible, alternative food

availability may weaken toxic effects of microcy-

stin (Ferrão-Filho et al., 2000; Chen & Xie, 2004).

During the bloom, alternative food, including

bacteria attached to colonial Microcystis, detritus,

algae and protozoans also affect population sizes

Table 1 Results of variance (ANOVA) analysis per-
formed on maximal population growth rate of M. micrura,
D. brachyurum and C. cornuta in relation to food mixture
and competitive interaction

Source df SS MS F

M. micrura
Food combination (A) 1 0.0002 0.0002 7.35ns

With species (B) 1 0.0733 0.0733 2444.68**
Interaction of A�B 1 0.0076 0.0076 252.14**
Error 7 0.0812 0.0116

D.brachyurum
Food combination (A) 1 0.0062 0.0062 842.59**
With species (B) 1 0.0018 0.0018 239.94**
Interaction of A�B 1 0.0004 0.0004 58.98**
Error 7 0.0085 0.0012

C. cornuta
Food combination (A) 1 0.0008 0.0008 127.99**
With species (B) 1 0.0046 0.0046 737.24**
Interaction of A�B 1 0.0005 0.0005 76.88**
Error 7 0.0059 0.0008

Ns and **represent significant level of p > 0.05 and
p < 0.001, respectively

Table 2 Maximum population growth rate (MGR) and time to reach MGR (days) of three cladocerans among competi-
tions under two types of mixtures of Microcystis spp. (M) and Scenedesmus obliquus (S)

50 mg l–1 M + 1 mg l–1 S 10 mg l–1 M + 1 mg l–1 S

M. micrura D. brachyurum C. cornuta M. micrura D. brachyurum C. cornuta

M. micrura 0.328(10) 0.194(16) 0.390(8) 0.145(22)
D. brachyurum 0.103(28) 0.118(28) 0.145(24) 0.189(18)
C. cornuta 0.089(28) 0.122(26) 0.096(24) 0.158(18)
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of cladocerans. Laboratory experiments showed

that growth rates of the four cladocerans used in

the present study were correlated positively with

S. obliquus biomass (Chen & Xie, 2003). Many

species, including Daphnia sp., can consume

colonial Microcystis sp. of edible size (Matveev

et al., 1994; Nandini et al., 2000). Daphnia sp. can

consume the mucilaginous part of colonies and

associated bacteria and may be more resistant to

toxin (Goarant et al., 1994). In the present study,

D. carinata was not inhibited by low colonial

Microcystis spp. concentration. Scenedesmus obli-

quus, the mucilaginous part of colonies and

associated bacteria may be used by D. carinata,

which may improve population growth. Moina

micrura may have a competitive advantage over

rotifers in exploiting Microcystis as a food source

or use other food sources (e.g. bacteria) when

Microcystis are under stress (Kim et al., 2001).

Several genera of Moina, Diaphanosoma, Bos-

mina and Daphnia can use cyanobacteria detritus

(Hanazato & Yasuno, 1985, 1987; Gulati et al.,

2001; Chen & Xie, 2003). This may promote

populations of these species in the lake and affect

their dominant status in the cladoceran commu-

nity through interactions.

However, other research shows that low con-

centrations of edible algae favors small-sized

cladocerans, while high concentrations favor

large-sized cladocerans, such as Daphnia (Goul-

den et al., 1982; Tessier & Goulden, 1987). During

a Microcystis bloom, other edible algae may have

actual or relative low concentration. Resultant

food scarcity may favor small-sized cladocerans.

If Daphnia are inhibited by colonial Microcystis

and less alternative food, its population may

decline.

No obvious competition outcomes between M.

micrura and D. brachyurum or C. cornuta under

two alga combinations were observed in the

present study. Diaphanosoma brachyurum out-

weighs M. micrura later in the experiment.

Similar trends appear in the competition between

D. brachyurum and C. cornuta. D. brachyurum

may utilize bacteria around Microcystis spp. and

detritus in the beaker more than M. micrura and

C. cornuta (Champ & Pourriot, 1977; Taira,

1989). For these three cladocerans, competition

may affect competitive outcomes (Chaneton &

Bonsall, 2000; Martı́nez & Medel, 2002). In

nature, this effect should be considered.

In conclusion, our experiments reveal that in

50 mg l–1 colonial Microcystis spp. + 1 mg l–1 S.

obliquus combinations, D. carinata was extinct

during the experiment in competition with other

cladocerans. Decreasing colonial Microcystis spp.

concentration (10 mg l–1) resulted in a shift from

small-sized cladocerans to D. carinata. No obvi-

ous effect on competitive outcomes was shown

among three small-sized cladocerans. These

results suggest that cyanobacteria concentration

may influence dominance status of large-bodied

daphnids.
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EUTROPHICATION IN LAKES

The effect of temperature on growth characteristics
and competitions of Microcystis aeruginosa
and Oscillatoria mougeotii in a shallow,
eutrophic lake simulator system
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Abstract Blue-green algal blooms formed by

Microcystis and Oscillatoria often occur in shal-

low eutrophic lakes, such as Lake Taihu (China)

and Lake Kasumigaura (Japan). Growth charac-

teristics and competitions between Microcystis

aeruginosa and Oscillatoria mougeotii were

investigated using lake simulator systems (micro-

cosms) at various temperatures. Oscillatoria was

the superior competitor, which suppressed

Microcystis, when temperature was <20�C,
whereas the opposite phenomenon occurred at

30�C. Oscillatoria had a long exponential phase

(20 day) and a low growth rate of 0.22 day–1 and

0.20 day–1 at 15�C and 20�C, respectively,

whereas Microcystis had a shorter exponential

phase (2–3 days) at 30�C and a higher growth rate

(0.86 day–1). Interactions between the algae were

stronger and more complex in the lake simulator

system than flask systems. Algal growth in the

lake simulator system was susceptible to light

attenuation and pH change, and algae biomasses

were lower than those in flasks. The outcome of

competition between Microcystis and Oscillatoria

at different temperatures agrees with field obser-

vations of algal communities in Lake Taihu,

indicating that temperature is a significant factor

affecting competition between Microcystis and

Oscillatoria in shallow, eutrophic lakes.

Keywords Microcystis � Oscillatoria � Lake
simulator � Competition � Lake Taihu

Introduction

Blue-green algal blooms often cause significant

problems, such as odors, water deoxygenation

and clogging of water supply systems. Further-

more, some blue-green algae produce toxins,

which are dangerous to aquatic organisms,

domestic animals and human beings. Microcystis

and Oscillatoria are two genera of bloom-

forming blue-green algae often present in shal-

low eutrophic lakes (Reynolds & Walsby, 1975).

Microcystis usually forms colonies, and Oscilla-

toria grows in filamentous form. In Lake Taihu

(China), Microcystis often dominates in summer

and autumn (Fan, 1996; Dokulil et al., 2000;

Yang et al., 2003) whereas Oscillatoria often

dominates in early spring and later autumn. The
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climate of Lake Kasumigaura (Japan) is similar

to Lake Taihu, and Microcystis dominance often

occurs in summer (Wei et al., 2001). In recent

years, Microcystis has been declining and was

replaced by filamentous blue-green algae, such

as Oscillatoria and Phormidium (Takamura et

al., 1992; Ohkubo et al., 1993; Wei et al., 2001).

Despite considerable research on photosynthetic

and growth responses of Microcystis and Oscill-

atoria in laboratory and field studies (Mur &

Schreurs, 1995; Zhang & Prepas, 1996; Fujimoto

et al., 1997; Coles and Jones 2000), there is

limited information about mechanisms of

Microcystis and Oscillatoria dominance in sea-

sonal dynamics and year-by-year changes in

shallow eutrophic lakes.

Generally, there are three categories of studies

on competition of bloom-forming algae. The first

is large-scale investigations based on field surveys;

second, small-scale studies based on laboratory

experiments; and, third, intermediate-scale stud-

ies applying ‘microcosms’. Natural systems are

often too complicated to obtain detailed infor-

mation in a short time or only provide insight into

lake-specific circumstances. The second method

often oversimplifies natural systems, and infor-

mation only can be applied in a limited sense.

Two kinds of microcosms being used are the ‘in-

situ microcosm’, placed directly into lakes, and

the ‘laboratory microcosms’, constructed in the

laboratory. Construction of in situ microcosms

depends on weather and space (Xie et al., 2003a,

b). Here, a laboratory microcosm, called the lake

simulator system, was used. It is a large-scale

simulation system where light, temperature, nutri-

ents, water and turbulence can be controlled

(Okada & Sudo, 1980). Conveniently, chemical

components, such as pH, dissolved oxygen (DO)

and oxidation–reduction potential (ORP) can be

monitored. Furthermore, the system can be ster-

ilized by steam.

In this study, the lake simulator and a flask

system were used to investigate growth and

competition of Microcystis and Oscillatoria at

different temperatures, thus increasing under-

standing of shifts in bloom-forming blue-green

algae during seasonal dynamics in shallow eutro-

phic lakes.

Materials and methods

Algae. Microcystis aeruginosa Kützing and Oscill-

atoria mougeotii Kützing ex Lemmermann were

isolated from Lake Kasumigaura in 1996 and

maintained at 20�C under a 12 h:12 h light:dark

cycle in M11 medium, which consists of 100 mg

NaNO3, 10 mg K2HPO4, 75 mg MgSO4 �7H2O,

40 mg CaCl2 � 2H2O, 20 mg Na2CO3, 6 mg Fe-

citrate and 1 mg Na2EDTA � 2H2O in 1:l deion-

ized water. Both algal cultures were axenic.

Lake Simulator System. The lake simulator

system consists of two artificial lakes (tanks, 4 m

high and 1 m diameter), two artificial suns

(Xenon lamp, 5 kW), a sterilization tank, moni-

toring system, temperature control system, steril-

ized air supply system and a steam system (an

artificial lake and artificial sun is omitted in

Fig. 1).

Growth and competition experiments

The lake simulator and small conical flasks

(500 ml) were used to investigate growth and

competition betweenMicrocystis andOscillatoria.

M11 culture medium was used to cultivate the two

algae. Before culture experiments, the simulator

was sterilized with steam. The culture medium

was sterilized in the sterilization tank and trans-

ported to the artificial lake by the pressure of
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Fig. 1 Schematic diagram of the lake simulator system
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sterilized air. Each tank contained 2400 l of

culture medium with 3.4 m in depth. To simulate

lake turbulence, sterilized air was supplied via the

sampling hole, which was 0.7 m above the bottom

of the artificial tank, producing 5–10 cm S–1

turbulence at the water surface. pH was adjusted

to 8.0–8.5 using concentrated HCl. When the

medium was saturated with DO, Microcystis (in

single cell) andOscillatoria were inoculated to the

artificial lake resulting in an initial population

density of 2.5 · 104 cells ml–1 and 5.0 cm ml–1

(the length of filaments), respectively. These

numbers correspond to 0.40 and 0.20 mg DW

(dry weight) l–1. Illumination at the surface water

was 100,000 lux (12 h light:12 h dark cycle),

similar to natural sunlight at noon at the lake

surface (Lake Taihu). 200 ml water was sampled

from seven sampling holes and pooled for anal-

ysis. Flask cultures (containing 150 ml M11

medium) were incubated in light (2,000 lux).

The culture medium, the light:dark cycle, tem-

peratures and initial cell densities were the same

as those in the lake simulator.

Chlorophyll a was extracted with acetone

(90%) and determined spectrophotometrically

(EPA Method, 1997). pH was determined poten-

tiometrically. Algal density was counted with a

haemacytometer (TATAI, Japan) under a micro-

scope. 30–300 cells were counted for Microcystis,

and 10 ll of algal solution determined for Oscill-

atoria. Counting was carried out three times for

each sample. If Oscillatoria filaments were longer

than 0.25 mm, they were disrupted by ultrasoni-

cation before counting. Cell counts were con-

verted to dry weight to determine dominance.

The sampling culture medium was filtered

through glass fiber filter (Whatman/C) and dried

at 90�C for 12 h to determine DW. Conversion

factors for DW and cell count were 2.3 · 10–11,

1.6 · 10–11, and 1.7 · 10–11 g cell–1 forMicrocystis

and 4.1 · 10–8, 4.0 · 10–8, and 6.0 · 10–8 g cm–1

for Oscillatoria, at 15�C, 20�C and 30�C, respec-
tively. Specific growth rates were determined by

linear regression of logarithm of biomass and time

(Eq. 1) on data from exponential growth.

lnB = l*t + b ð1Þ

where l is the growth rate, B is dry weight of

biomass (mg DW l–1), t is time (day) and b is the

ln of inoculation density.

Results

Flask system

Growth curves of uni-algal and mixed cultures of

Microcystis and Oscillatoria in flask experiments

consisted of exponential and stationary phases

without a lag phase (Figs. 2, 3; since experiments

were stopped at the end of the saturation phase,

the death phase was not included in the curves).

Oscillatoria grew very well at 15–30�C (Fig. 3),

whereas Microcystis did not grow well at 15�C
(Fig. 2), whether in uni- or mixed cultures.

Growth curves of uni-algal cultures of both algae

were similar to those of mixed cultures in flask

experiments from 15�C to 30�C (Figs. 2, 3). They

had similar growth rates in mixed and uni-algal

cultures (Table 1), but maximum biomass in

mixed cultures was lower than uni-algal cultures

(Table 2).

Growth rates of the two algae increased with

temperature (Table 1), and the increase was more

pronounced for Microcystis than Oscillatoria. At

15�C, the growth rate of Oscillatoria was higher

than Microcystis, at 20�C the growth rates were

comparable, and at 30�C the growth rate of
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Fig. 2 The growth curves of uni-algal cultures and mixed
cultures of Microcystis at different temperature in flask
experiments
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Microcystis was higher. Flask experiments

showed that Oscillatoria was the superior com-

petitor at 15�C, whereas Microcystis was superior

at 30�C, and the competition was about equal at

20�C (Tables 1, 2).

Lake simulator system

Growth and competition of Microcystis and Os-

cillatoria in the lake simulator system are shown

in Fig. 4, revealing that Oscillatoria dominated at

15�C and 20�C, whereas Microcystis dominated at

30�C. At 15�C, Oscillatoria had a long exponen-

tial phase (20 day) and a low growth rate, but

Microcystis grew little, and, therefore,Oscillatoria

contributed 91% to the total biomass on day 20.

When temperature was increased to 20�C, growth

and competition of the two algae changed little,

and Oscillatoria accounted for 98% of total mass

on day 20. When temperature was 30�C, Micro-

cystis doubled quickly in the exponential phase,

but this phase was very short (about 2–3 days).

Afterwards, Microcystis biomass increased with

time, Oscillatoria grew very slowly, and Micro-

cystis accounted for 99.7% of total biomass on

day 29.

Changes in growth rates of Microcystis and

Oscillatoria in lake simulator experiments did not

show the same trends. With increased tempera-

ture, Microcystis growth rate increased, while that

of Oscillatoria decreased. Moreover, total maxi-

mum biomass increased with temperature: 9.13,

19.9 and 28.1 mg DW l–1 at 15�C, 20�C and 30�C,
respectively. These biomasses accounted for 4.8,

5.0 and 7.4% of those reached in flasks experi-

ments.
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Fig. 3 The growth curves of uni-algal cultures and mixed
cultures of Oscillatoria at different temperature in flask
experiments

Table 1 Growth rates (l ± SE) of Microcystis and Oscillatoria at different temperature in the lake simulator and flasks
experiments

Growth rate l (day–1)

Flask uni-algal cultures Flask mixed cultures Lake simulator cultures

Microcystis 15�C 0.083 ± 0.009 (0–10 day) 0.079 ± 0.007 (0–10 day) –
20�C 0.42 ± 0.02 (0–10 day) 0.33 ± 0.02 (0–10 day) –
30�C 0.81 ± 0.04 (0–4 day) 0.85 ± 0.05 (0–4 day) 0.86 (0–2 day)

Oscillatoria 15�C 0.22 ± 0.01 (0–19 day) 0.22 ± 0.01 (0–19 day) 0.22 ± 0.02 (2–20 day)
20�C 0.40 ± 0.02 (0–10 day) 0.35 ± 0.02 (0–10 day) 0.20 ± 0.01 (0–20 day)
30�C 0.56 ± 0.05 (0–4 day) 0.55 ± 0.04 (0–5 day) –

Period of exponential phase is in parentheses

Table 2 Maximum biomass (Bmax) of Microcystis and
Oscillatoria at different temperature in the lake simulator
and flasks experiments

Bmax (mg DW l–1)

Flask uni-
algal
cultures

Flask
mixed
cultures

Lake
simulator
cultures

Microcystis 15�C 3.56 3.23 1.14
20�C 345 155 0.60
30�C 250 155 28.1

Oscillatoria 15�C 156 188 8.35
20�C 220 121 19.9
30�C 254 97.2 0.50
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Discussion

Uni-algal cultures of Microcystis and Oscillatoria

in flasks showed increased growth rates with

increasing temperature. Flasks can be considered

a homogeneous system due to small volume, and

they are useful for determination of specific

growth rates under different conditions. When

grown together in flasks, the two algal species

grew independently and reached high biomasses.

However, the flasks represent a simple system

and cannot simulate a lake.

Competition between Microcystis and Oscilla-

toria in the lake simulator experiments showed

that Oscillatoria dominated when temperature

was <20�C, whereas Microcystis dominated when

temperature was 30�C. Maximum biomasses

reached in lake simulator experiments were

<10% of those reached in corresponding flasks

at all temperatures. Since interactions between

the two algae in the lake simulator experiments

were stronger than those in flasks, these results

show that flask experiments cannot predict com-

petition between algae in a lake system.

Changes in nutrients, light, pH and other

factors during algal growth may be important in

algal competition. Due to the low biomass in lake

simulator experiments, all nutrients except car-

bon were considered sufficient and could not have

limited algal growth rates. Since speciation of

total inorganic carbon (TIC) depends on pH, the

available inorganic carbon resource is determined

by both TIC and pH (Stumm & Morgan, 1996).

An increase in pH results in a decrease in the

fraction of free CO2, which is assimilated easily by

algae. Low CO2 conditions decrease growth rate

(Thyssen et al., 2001). Indeed, growth rates of the

dominant algae decreased when pH increased to

9–9.5 (Fig. 5). This suggests that changes in the

growth rate of the dominant alga may be a result

of pH changes. Furthermore, the light climate
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underwater changed during algal growth. If the

wall effect on light is neglected, Eq. 2 (Huisman

et al., 2002) can be used to describe changes of

light intensity in the lake simulator system.

Iðz; tÞ ¼ Iin exp½�
Z z

0

k-ðr; tÞdr � Kbgz� ð2Þ

where Iin is incident light intensity, -ðr; tÞ is

population density at depth z and time t, r is an

integration variable, k is the specific light atten-

uation coefficient of algae, and Kbg is the back-

ground attenuation. As shown by Eq. 2, light

intensity attenuates exponentially with biomass

and depth. Due to high incident light intensity,

increasing algal biomass may alleviate high light

stress. However, growth rate did not increase with

biomass, suggesting high light stress was not

evident in the lake simulator system. Further-

more, increasing algal biomass leads to decreased

transparency and development of a steep light

gradient in the upper water column. Light limi-

tation caused by self-shading of algae may limit

growth when the biomass of dominant alga is

significant. At 30�C, a long linear phase following

the exponential phase may be the result of light

limiting growth of Microcystis. At 15�C and 20�C,
Oscillatoria died quickly after the exponential

phase, which may result from increased pH. Due

the rapid growth of the superior alga, elevated pH

and light shading also may influence growth of

inferior algae in the lake simulator system.

As the lake simulator system simulated sun-

light, water turbulence, nutrient concentrations

and depth in natural, shallow, eutrophic lakes and

controlled temperature precisely, results might

reflect temperature influences on growth and

competition of these two algae in natural lakes.

In some areas of Lake Taihu (China), such as

Gonghu Bay in the northeast, Oscillatoria dom-

inates in spring and late autumn, whereas Micro-

cystis dominates in summer and early autumn.

Temperatures in natural systems often are be-

tween 15 and 25�C, and, therefore, results from

the lake simulator experiments can be used to

predict cyanobacterial dominance in nature.

Although there are many environmental factors

affecting the algal community, this study suggests

that water temperature is an important factor

in the shift of Microcystis and Oscillatoria

dominance in a simulated, shallow, eutrophic

lake.
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EUTROPHICATION IN LAKES

Stability and change of phytoplankton communities
in a highly dynamic environment—the case of large,
shallow Lake Balaton (Hungary)
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Abstract Time series data of key environmental

variables (water temperature, global radiation,

vertical light attenuation, internal P load) and

biomass of four colour classes of photosyntheti-

cally active algae were collected during 2003 and

2004 with daily resolution. Using these data,

seasonal patterns of phytoplankton were ana-

lyzed as a function of the dynamic environment.

Abstraction of the environmental state as a point

in multi-dimensional space was used to identify

habitat templates of bloom-forming groups and

derive an indicator of environmental stability/

physical disturbance. These templates were syn-

thesized into a simple threshold model that suffi-

ciently simulated development and collapse of

various blooms. Blooms were, however, rare

events related to specific environments with

strong, unidirectional forcing. Tentative quantifi-

cation of disturbance and compositional stability/

community change allowed discriminating distur-

bance-driven changes and autogenic succession

with reasonable success. The two processes were

found to be equally important in shaping the

composition and biomass of phytoplankton.

Keywords Daily time series � Environmental

stability � Physical disturbance � Autogenic

succession � Predictability � Ground state

Introduction

Phytoplankton communities undergo a seasonal

change comparable to the decade-scale succession

in terrestrial ecosystems (Reynolds, 1997). Suc-

cession is, in a strict sense, an autogenic process

during which species selection is driven by envi-

ronmental changes resulting from metabolism of

the community itself. External forcing represents

the rest of environmental variability, which phy-

toplankton cannot influence. Below certain

thresholds, external forcing is absorbed efficiently

by the community without leaving its recogniz-

able fingerprint on composition or abundance.

Beyond these thresholds, it acts as a disturbance

upon phytoplankton development. Such events

alter community structure, repeatedly distorting

the succession pattern and propagating it into

altered directions of development. The unpre-

dictable frequency of disturbance sets the time

span allowed for autogenic succession and, thus,

decreases the chance of attaining stable states.

The intermediate disturbance hypothesis (IDH)

of Connell (1978) recognizes that disturbance
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in a specific range of frequency is a prime factor

maintaining species diversity of ecosystems. This

range of frequencies must be scaled to the charac-

teristic doubling time of biota making up the

examined communities (Reynolds, 1997). Fulfill-

ing this criterion, the IDH recently has been shown

to be a successful approach in phytoplankton

ecology (Reynolds, 1988; Padisák et al., 1993;

Padisák, 1993; Sommer, 1995). However, distur-

bance is not measured when studying natural

phytoplankton but inferred from specific compo-

sitional changes (Juhász-Nagy, 1993). Neverthe-

less, few theoretical studies aimed at resolving the

logical problem of this circular argumentation

(Reynolds, 1997; Elliott et al., 2001). This is not

surprising if one considers the difficulties faced

when characterizing environmental stability/dis-

turbance. One point is a priori clear: such a trial

will not succeed unless environmental dynamics is

captured at a temporal scale matching character-

istic period time of phytoplankton. As shown by

Fourier spectrum analysis of daily biomass time

series fromLake Balaton, the characteristic period

time is in the range of a few days (Istvánovics et al.,

2005). Consequently, environmental dynamics

is to be described at least at a daily scale in this

lake.

Large, shallow lakes represent a dynamic

environment for phytoplankton, where it is

difficult to separate various pathways of com-

munity development due to frequent resuspen-

sion of sediment. Field work and theoretical

analysis revealed the decisive impact of sediment

resuspension acting as disturbance on phyto-

plankton dynamics in Lake Balaton (Padisák

et al., 1988, 1990; Padisák, 1993) as well as in a

broad assortment of shallow lakes (Padisák

et al., 2003).

A high-resolution monitoring program in

Lake Balaton yielded time series of key

environmental variables and phytoplankton at

a daily scale (Istvánovics et al., 2005). The

objectives of this work are to identify patterns

of community development, which are

predictable using available environmental

variables, and distinguish compositional changes

of phytoplankton driven by disturbance and

succession.

Materials and methods

Description of study site

Lake Balaton is a large (593 km2), shallow

(zmean = 3.2 m) lake in Western Hungary

(Fig. 1). The long wind fetch from all directions

results in almost permanent mixing of the whole

water column. Due to frequent resuspension of

highly calcareous (50–60% carbonates) sediments

and slow sedimentation of precipitating carbon-

ates, the water is always turbid. In the shallowest,

westernmost area (zmean = 2.3 m), the coefficient

of vertical light attenuation (Kd) averages 4 m–1

(Istvánovics et al., 2004). As a consequence,

mean euphotic depth is shallower (1.2 m) than

mixing depth. Phosphorus desorption from resus-

pended sediments results in a pulsed internal load

(Istvánovics et al., 2004). Mean suspended solids

concentration approaches 36 g m–3, and the num-

ber of inorganic particles in the ingestible size

range exceeds food items of filter-feeding zoo-

plankton by one to three orders of magnitude

(G.-Tóth, 1992). Due to strong physical con-

straints acting upon non-selective cladocerans,

the copepod Eudiaptomus gracilis (Kiefer, 1932)

makes up 80–100% of crustacean plankton. Thus,

community grazing rate rarely exceeds 8–10%

(G.-Tóth, 2000), and phytoplankton live in a

dynamic environment where light, temperature

and nutrient supply fluctuate rapidly, but sedi-

mentation and grazing are negligible to moderate.

Data and analysis

An online monitoring station has been main-

tained since 2001 in the westernmost area of the

lake (Fig. 1). The station is equipped with mete-

orological and turbidity sensors and an online

delayed fluorescence (DF) spectrometer that

automatically registers composition and biomass

of photosynthetically active phytoplankton. DF

spectroscopy is a new method (Gerhardt &

Bodemer, 2000; Istvánovics et al., 2005) that

distinguishes four colour classes of algae: cyano-

bacteria, chlorophytes (Chlorophyceae, Eugleno-

phyceae, Conjugatophyceae), chromophytes

(Bacillariophyceae, Chrysophyceae, Dinophyta,
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Xanthophyceae, Haptophyta) and cryptophytes.

Phytoplankton data were recorded every 20 min

at four depths in a single profile. Meteorological

and turbidity data were obtained every 10 and

6 sec, respectively. These data were averaged in

15 min intervals. Turbidity was calibrated against

coefficient of vertical light attenuation in the

laboratory and using weekly Kd values deter-

mined manually. For a more detailed description

of the monitoring program and a critical evalua-

tion of the DF method, see Istvánovics et al.

(2004, 2005). At the monitoring site, weekly

phytoplankton samples were taken and analysed

by microscopic counting. (Padisák, pers. comm.)

A database was created consisting of Kd,

underwater light, temperature, phytoplankton

composition and biomass. Each variable was

averaged by day and depth. Time series of

dominance was defined with five categories: one

for each colour class of algae and an ‘uncertain’

category. A colour class was considered dominant

if its biomass exceeded that of any other class by

more than 10%. The uncertain category was

reserved for rare cases when this criterion was not

satisfied. Since time series collected in 2001 and

2002 were fragmented, we rely on data from 2003

and 2004. Our unique dataset has very high

temporal resolution compared to that allowed by

traditional methods. Obviously, resolution of

phytoplankton along the diversity axis is poor

relative to microscopic enumeration.

Daily external loads of various P and N forms

are monitored daily at the mouth section of the

largest tributary of the lake (database of the West

Transdanubian Authority of Water and Environ-

ment). This load is estimated to represent 90–

95% of total external load of the westernmost

area of Lake Balaton (Clement, 2000).

Fig. 1 Lake Balaton and its catchment. (Insertion shows location of the sampling station. Zala River is the largest tributary.
Arrow indicates the only outflow)
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Results and discussion

In 2003, the seasonal pattern of phytoplankton

dynamics was typical for shallow, eutrophic lakes

(Fig. 2). Threemajor biomass peaks developed: (i)

a spring diatom bloom in late March, (ii) a mixed

bloom of Aphanizomenon flos-aquae (Lyngbye)

Ralfs, A. klebahnii Elenkin and Planktothrix

agardhiiGomont in early July and (iii) a Cylindro-

spermopsis raciborskii (Woloszynska) Seenayya et

SubbaRaju bloom inmid-August.Development of

two successive cyanobacteria blooms is common in

Lake Balaton. The high temperature requirement

of subtropical C. raciborskii is the prime reason to

account for thephenomenon(Padisák&Istvánovics,

1987; Padisák&Reynolds, 1998). In addition to the

Fig. 2 Biomass and dominance (DOM) of four colour
classes of phytoplankton in 2003 (a) and 2004 (b). Gaps
indicate data deficiency due to technical reasons. (Dashed

boxes border major blooms used to derive habitat
templates for functionally distinct groups; for details see
text)
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major blooms, smaller peaks of chromo- and

cryptophytes occurred during autumn. Since our

dataset was recorded at a single point, biomass

variations originating fromwatermotion could not

be resolved. However, Balaton is well-mixed (Lu-

ettich et al., 1990), which allows neglecting spatial

heterogeneities.

Environmental conditions were different in

2004 from those in 2003 (Table 1). Higher water

discharge resulted in higher external nutrient

loads, particularly during spring. Nutrient supply

also was more favorable during summer. Water

column stability was high throughout the summer

and autumn 2004 due to shading and turbulence

dampening effects of macrophytes. The latter

appeared in moderate densities in 2003, but

surface coverage reached about 85% by early

summer 2004. Mean water temperature was

significantly lower in summer 2004. As a result

of the strong influence of macrophytes, phyto-

plankton dynamics was atypical for Lake Balaton

(Fig. 2). A sustained spring bloom of diatoms and

the lack of a well-defined summer bloom resem-

bled the seasonal pattern characteristic of meso-

trophic areas of the lake. At the same time, there

was a long-lasting and virtually unbroken domi-

nance of cryptophytes from early July to the end

of the study period (cf. Padisák, 1994).

A few characteristic patterns evolved in dom-

inancy and biomass of phytoplankton: (i) major

blooms were separated by periods of low biomass;

(ii) each bloom was dominated by species of a

single colour class; (iii) between blooms, small

peaks of one or the other colour class started but

collapsed before attaining significant biomass

levels and produced capricious variability in

dominance. This pattern suggests that separated

blooms may be bound to specific circumstances,

while, between blooms, there are chaotic periods

of low biomass with various species struggling to

outgrow each other.

As a first step to identify environmental con-

ditions selecting for certain species during bloom

periods, physical forcing was characterized by two

indicators: water temperature and vertical light

attenuation. The choice of day- and depth-aver-

aged water temperature is self-explanatory. Daily

mean coefficient of vertical light attenuation (Kd)

was selected as an indirect indicator of underwa-

ter light climate. Although global radiation was

measured, shading effect of macrophytes was not

quantified. Therefore, time series of incident

photon flux density (PFD) was heterogeneous.

Kd showed large, irregular fluctuations between

about 1 and 15 m–1 due to vast sediment resus-

pension. The corresponding variability in

Table 1 Mean ± standard deviation values of environmental variables (daily data) and nutrient status of phytoplankton
(weekly data) in 2003 and 2004

Variable 2003 2004

Spring (March–May)
Coefficient of vertical light attenuation (m–1) 2.9 ± 1.9 2.2 ± 1.8
Water temperature (�C) 14.0 ± 6.3 15.5 ± 2.9
Water discharge (m3 s–1) 4.8 ± 2.4 11.6 ± 4.9
External load of nitrate (mg N m–2 day–1) 8.3 ± 10.0 10.2 ± 7.4
External load of phosphate (mg P m–2 day–1) 0.57 ± 0.43 0.70 ± 0.62
Internal load of phosphate (mg P m–2 day–1) 1.32 ± 0.99 0.78 ± 0.63
Specific surplus P content (lg P [lg chl a]–1) 0.70 ± 0.23 0.98 ± 0.61
Specific N content (lg N [lg chl a]–1) 19.1 ± 4.2 22.7 ± 2.9

Late summer (July–August)
Coefficient of vertical light attenuation (m–1) 2.5 ± 1.2 1.1 ± 1.0
Water temperature (�C) 25.9 ± 1.9 23.8 ± 2.3
Water discharge (m3 s–1) 0.4 ± 0.2 2.8 ± 1.5
External load of nitrate (mg N m–2 day–1) 0.08 ± 0.05 0.80 ± 0.58
External load of phosphate (mg P m–2 day–1) 0.15 ± 0.10 1.78 ± 0.79
Internal load of phosphate (mg P m–2 day–1) 1.11 ± 0.50 0.44 ± 0.47
Specific surplus P content (lg P [lg chl a]–1) 0.53 ± 0.15 1.30 ± 0.36
Specific N content (lg N [lg chl a]–1) 13.0 ± 4.9 18.6 ± 6.3
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underwater light—proportionate to exp(-

Kd)—was in the range of 106. In comparison,

daily variability in incident light (maximum

25 fold) was negligible. Thus, Kd is a prime

determinant of underwater PFD and an indicator

of sediment resuspension.

Plotting daily values of T and -Kd on a two

dimensional graph, the path followed by physical

constraints emerged (Fig. 3). Noticeably, season-

ality of temperature governed this path into

well-expressed directions in early spring and late

autumn. In summer, a complex knot pattern was

observed with no detectable progress towards any

direction.

Dominant colour classes of phytoplankton were

inserted into the T versus Kd space (Fig. 3). Their

positions agreed with the known physiological

requirements of characteristic member species

and clearly reflected their different sensitivity to

stability of the physical environment (Padisák

Fig. 3 The path followed by the environment in the space
of physical constraints in 2003 (a) and 2004 (b) and
dominant colour classes of phytoplankton placed into this
space. (T—vertically averaged daily mean water temper-
ature; Kd—daily mean coefficient of vertical light attenu-
ation. Cyanobacteria—closed circle; chlorophytes—closed
triangle; chromophytes—open circle; cryptophytes—open

triangle. Numbered areas separated by dashed lines
indicate characteristic habitat ranges of various functional
groups. 1—acclimating R species, 2—early successional
phase, 3—stress tolerant S species, 4—meroplankton).
Seasonality means advancing from left to right in spring,
staying on the right side in summer and returning to left in
autumn
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et al., 1988, 1990; Padisák, 1994; Reynolds, 1997).

Spring chromophytes (diatoms) are typical accli-

mating strategists (R species) adapted to low

temperature and requiring sufficient turbulence to

keep entrained in the water column. Assemblages

of early successional stages can be recognized by

concentrated occurrence of chlorophytes and

chromophytes in the moderate T versus low to

moderate Kd sub-space of physical constraints.

Summer blooms of cyanobacteria, particularly

those of subtropical C. raciborskii, are associated

with high temperature. Low turbulence allows this

group to exploit the advantage of buoyancy

regulation. Besides cyanobacteria, stress tolerant

chromophytes (Ceratium hirundinella (O.F. Mül-

ler) Schrank) are typical members of late-summer

quasi-equilibria in Lake Balaton. The unusual

summer dominance of cryptophytes in 2004 may

be explained by metaphytic affiliation of certain

species within this group (Borics et al., 2003).

Small cryptophytes and several meroplanktonic

diatoms benefit from intense wind-induced sedi-

ment resuspension, which temporarily extends

their habitat into the water column.

Major phytoplankton blooms were identified

manually in 2003 (Fig. 2) and placed into the space

of physical constraints (Fig. 4). Habitat templates

of various colour classes were determined by

selecting sequences of days when the bloom-

forming class achieved significant and undisturbed

growth. The sub-space determined by these days

(13 days in 2003) represents physical conditions

where the given class has obvious advantage over

the others. These regions were separated from

each other and occupied margins of the environ-

mental space observed during our measurements

(Fig. 4). The marginal position of blooming

sub-spaces indicated that strong, unidirectional

selective pressure was a prerequisite for bloom

formation. Conclusively, blooms are rare events

bound to a specific environmental state that

provides a few species of a single colour class the

opportunity to grow faster than others. Such states

are, however, transient and represent the extreme.

A simple threshold model was developed to

test the consistency of our observations and

hypotheses about seasonal dynamics of phyto-

plankton. Obviously, the two physical constraints

(Fig. 4) did not discriminate habitat templates of

various blooms. For example, the path of envi-

ronmental changes in the T versus Kd space was

almost symmetrical during the growth and col-

lapse of the spring diatom bloom in 2003. Thus,

additional variables had to be included.

Minimal water temperature in the last two

weeks (Tmin) was chosen because it reflects

Fig. 4 The path followed by the environment in the space
of physical constraints in 2003 and four major biomass
peaks placed into this space. (T—vertically averaged daily
mean water temperature; Kd—daily mean coefficient of
vertical light attenuation. Cyanobacteria—closed circle;

chromophytes—open circle; cryptophytes—open triangle.
The four blooms are those shown in Fig. 2; the two
cyanobacterial blooms do not separate in this space.
Shaded area indicates the region of ‘‘mean’’ environmen-
tal states emphasizing marginal positioning of blooms)
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sensitivity of N2-fixing cyanobacteria to abrupt

temperature changes. At the same time, it incor-

porates the experience that cyanobacteria blooms

are preceded regularly by two to three weeks of

calm, warm weather (Gorzó, 1987; Padisák, 1994).

Compared to Aphanizomenon and Anabaena

species, subtropical Cylindrospermopsis racibor-

skii has an unusually narrow temperature range

(22–24�C), where akinetes germinate (Gorzó,

1987), and a high threshold temperature (18�C),
where the species starts to grow (Shafik et al.,

1997). These differences were expressed in the

model by determining different Tmin values

(Table 2).

Nutrient supply of phytoplankton is a discrim-

inative factor during growth periods of various

blooms. In Lake Balaton, concentration of silica

is always high enough to satisfy requirements of

even large diatom blooms (V. Balogh, pers.

comm.). Physiological and chemical data (Istvá-

novics et al., unpublished) showed that carrying

capacity might be N determined during spring in

dry years without typical spring floods, including

2003. Previous observations also suggest that N

deficiency was likely to put an end to spring

diatom blooms (Istvánovics & Herodek, 1985,

1995). Thus, area specific external nitrate load

was chosen to indicate N supply.

In summer, algal growth can be limited by

either N or P, but extreme P deficiency prevails

and the carrying capacity usually is P determined

(Istvánovics & Herodek, 1985, 1995; Istvánovics

& Somlyódy, 2001). This also was the situation in

2003. However, no signs of serious P deficiency

were detected in summer 2004, when light avail-

ability probably limited algal growth (Table 1).

Although daily loads of external and internal P

were available (Istvánovics et al., 2004), differen-

tial ability of various algal groups to grow on

previously acquired and stored P during low

external supply prevented incorporation of these

variables into the simple threshold model.

In this way, a four dimensional environmental

space was established, including T, Kd, Tmin and

external nitrate load. Actual environmental state

is indicated by a point in the space. Considering

the seasonal biomass pattern in 2003 (Fig. 2),

habitat templates of four functionally distinct

blooms could be quantified for modeling pur-

poses: (i) spring diatoms, (ii) early summer

cyanobacteria, (iii) late summer cyanobacteria

and (iv) meroplankton associated with resuspen-

sion. A few simple binary rules were assumed to

delimit habitat templates for each functional

group. Rules were set up according to ecological

knowledge and refined to fit observed data

(Table 2). Growth of spring diatoms was depen-

dent on external N supply and water temperature.

Early and late summer cyanobacteria grew above

a Tmin of 23.7�C and 25.5�C, respectively. Mero-

planktonic biomass peaks were associated with

intense sediment resuspension (indicated by high

absolute value of Kd) in a certain temperature

range. Each resuspension event exceeding the

preset criterion was assumed to increase the

biomass of this group by 1 mg chl a m–1, and

the rate of decay was 0.1 d–1 in the absence of

critical resuspension.

The community most often existed in a

‘‘ground state’’ corresponding to periods between

blooms characterized by low biomass and capri-

cious compositional changes (cf. Fig. 2). To ease

mathematics, an equal share of biomass was

assigned to each group in ground state. As the

environment entered a blooming subspace, or

fulfilled the preset rules of a habitat template, the

appropriate group began to grow at ‘‘full speed’’.

Truly planktonic groups (i–iii) were assumed to

grow at a fixed exponential rate, while mero-

plankton (iv) growth was set proportional to

Table 2 Discriminative rules for habitat templates and
growth rate of the four functionally different blooms,
derived from 13 days in 2003

Bloom Criteria Growth
rate (d–1)

Spring chromophytes
(diatoms)

6.5 £ T £ 12.5,
Lnitrate–N ‡ 13

0.74

Early summer
cyanobacteria

Tmin ‡ 23.7 0.15

Late summer
cyanobacteria

Tmin ‡ 25.5 0.40

Meroplankton T ‡ 10 Kd ‡ 5.6 –

T, �C is the actual water temperature; Tmin, �C is the
minimum water temperature during the last two weeks;
Lnitrate, mg N m–2 d–1 is the external load of nitrate;Kd, m

–1

is the coefficient of vertical light attenuation. Biomass
changes of meroplankton were related to frequency of
resuspension; see in text
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frequency of resuspension. As soon as the envi-

ronment left the template, growth stopped and

the bloom started to decay towards ground state.

Since growth and collapse of each bloom was

roughly symmetrical, loss rates were assumed to

equal growth rates, an assumption supported by

Sommer (1981).

Biomass simulations fit reasonably to measure-

ments (Fig. 5). Although model parameters were

tuned using data from 2003, the model repro-

duced the lack of cyanobacterial blooms in 2004.

This suggested that low mean water temperature

during summer 2004 (Table 1) may have been a

more influential factor in preventing blooming of

cyanobacteria than other differences experienced

in this year.

Our simple model reduced the influence of

environmental dynamics to a narrow range of

conspicuous events: crossing the borders of hab-

itat templates. This oversimplification was useful

to demonstrate predictability of bloom formation

but could not explain the complexity of phyto-

plankton dynamics in the ground state, which

accounted for about 80% of the study period

(Figs. 2, 3, 5). The surprising length of the ground

state interestingly demonstrated Reynold’s (1997)

contention that phytoplankton inhabited an ex-

tremely hostile habitat. To get an insight into the

effect of environmental dynamics on community

composition, the compositional stability was

examined as a function of environmental dynam-

ics. For this purpose, appropriate indicators of

Fig. 5 Observed (thin line) and simulated (thick line) biomass of phytoplankton in 2003 (a) and 2004 (b)
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environmental stability/physical disturbance and

community stability/change were identified.

Environmental instability (ISe) was defined as

the step length between the states (e) of the

environment in two subsequent days in the T

versus Kd space. It can be computed as Euclidean

distance:

ISe ¼ et � et�1k k ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
Tt � Tt�1ð Þ2þ Kdt �Kdt�1ð Þ2

q

ð1Þ

where t is the current day. The smaller the step is

between two days, the more stable the environ-

ment is. Large ISe is indicative of high instability,

which, above some level, can act as physical

disturbance. Based on the distribution of step

lengths, the upper 15% of events was designated

as disturbance (Fig. 6). According to this defini-

tion, an environmental change qualifies as a

disturbance when ISe > 2.5. As the dimensions

of the environmental space have different units

Fig. 6 Probability distribution (P) of environmental insta-
bility (ISe; a) and that of the rate of community change (rs;
b). (Dashed lines in a and b indicate threshold values

beyond which instability is assumed to act as a disturbance
and rs is assumed to represent a real community change,
respectively)
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(m–1 for Kd and �C for T), distances are subject to

the weighting used between dimensions. Notice-

ably, Equation 1 gives equal weights to T and Kd,

but the change in the latter variable by 2.5 units is

equivalent to a twelve-fold resuspension induced

change in underwater PFD. Since, however, a

temperature change of 2.5�C represents about

10% of the temperature range covered by the

study period, whereas the respective value is

0.001% for the change in underwater PFD, ISe is

far more sensitive to changes in resuspension and

PFD than temperature. Disturbances happened

throughout 2003 and were less frequent in 2004

(Fig. 7). These events almost each time were

coupled with an instantaneous or slightly delayed

flip in dominance (Fig. 7).

Compositional changes were characterized

using a highly sensitive and more robust indicator

Fig. 7 Seasonal pattern of phytoplankton related to disturbance (ISe > 2.5) in 2003 (a) and 2004 (b). (In 2003 the rate of
community change, rs, and community stability, RI, are also indicated)
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(Fig. 7). In the former case, the rate of commu-

nity change (rs, d
–1) was calculated as the sum of

daily change in relative biomass of various colour

classes (Reynolds, 1997):

rs ¼
X4
i¼1

bitþ1

Btþ1
� bit
Bt

����
���� ð2Þ

where B is total biomass (mg chl a m–3), bi is

fractional biomass of the four colour classes (mg

chl a m–3), and t is the current day. Taking into

account the distribution of rs (Fig. 6) and uncer-

tainty of the DF method (Istvánovics et al., 2005),

rs values below 0.15 d–1 were assigned to mea-

surement error.

To derive a less sensitive indicator, the four

colour classes were ordered on the basis of their

fractional biomass. A positional change was

assumed to occur whenever a class jumped one

to three ranks up or down compared to the

preceding day. The rank indicator (RI) was a

simple binary value with RI = 0 when no jump

occurred and RI = 1 when any kind of jump was

observed. The rate of community change is

sensitive to differences in net growth and/or loss

rates of various colour classes. These differences,

however, are not necessarily large enough to

provoke positional changes ensuring lower RI

sensitivity. In this way, RI can be considered a

measure of community stability rather than an

indicator of community change.

To examine the effect of physical disturbance

on phytoplankton composition, community

change (rs > 0.15 d–1) and stability (RI) were

related to ISe (Figs. 7, 8). We assumed that

compositional changes were driven by distur-

bance when an ISe > 2.5 event was followed by

compositional changes within a three day period,

including the day of disturbance. Both rs and RI

showed that disturbance most often induced

changes in community composition. In a some-

what larger number of cases, community changes

were not related to physical disturbance (Fig. 8).

Most of the latter cases occurred during summer

(Fig. 7). Although a partial failure of the distur-

bance indicator could not be excluded, timing of

disturbance-independent compositional changes

suggested that such changes were driven by

autogenic succession of phytoplankton. Certainly,

some of the disturbance-independent changes

may be associated with selective grazing of

zooplankton or other selective loss processes, like

viral infection. Although community grazing rate

of zooplankton is typically low in Lake Balaton

(G.-Tóth, 1992), two pieces of indirect evidence

suggested that the situation might be different in

2004. First, dense macrophyte stands provide

refuge for zooplankton (Sheffer et al., 1993),

where restricted turbulence might favor passive

feeders. Second, prolonged dominance of crypto-

phytes was indicative of sufficient food supply. In

spite of these uncertainties, succession and dis-

turbance were equally important in shaping the

structure of phytoplankton.

Both rs and RI indicated that the most

frequent case was communities with stable com-

position (Fig. 8). Stable composition did not

imply that the environment was stable. On the

contrary, the environment changed all the time

(Figs. 3, 4), but variability usually stayed within

the limits where phytoplankton were capable of

absorbing external fluctuations. This was indica-

tive of a considerable structural resilience. At the

same time, invoked stress usually prevented

significant growth.

Cases of stable composition rarely concen-

trated into long-lasting intervals (Fig. 7). Surpris-

ingly, the longest unbroken period of stable

community structure was observed during spring

in 2003 and 2004 (Fig. 7). The explanation was

twofold. (i) Phytoplankton experienced the most

severe and frequent disturbance during autumn,

resulting in a number of small biomass peaks with

divergent compositions. (ii) The rate of commu-

nity change increased with water temperature

(Fig. 9), indicating that more species were re-

leased from stress caused by a sub-optimal level

of this variable. Internally driven compositional

changes thus were slow in spring compared to the

period of autogenic succession.

Fragmented occurrence of stable communities

suggested that it was difficult for any colour class

to preserve its position for any significant period

of time in the dynamic environment of Lake

Balaton. This is an important difference com-

pared to deep lakes, where environmental stabil-

ity associated with thermal stratification supports
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less disturbed successional sequences, which fre-

quently result in prolonged dominance of one or

another K-selected stress tolerant species (Rey-

nolds, 1997). This difference between deep and

shallow lakes explain the observation of Padisák

et al. (2003) that equilibrium phases sensu Som-

mer et al. (1993) were relatively infrequent (17

out of 80) in shallow lakes during summer.

Cases when disturbance failed to influence

phytoplankton composition (Fig. 8) may reflect

measuring errors and/or unsatisfactory definition

of disturbance. The number of such cases, how-

ever, was low, indicating the merits of the

approach. Refinement of this approach deserves

attention considering the limited efforts taken to

characterize disturbance using independent meth-

ods (cf. Juhász-Nagy, 1993; Reynolds, 1997).

Compositional changes were related to fluctu-

ations in the T versus Kd space, considering that

stress caused by low nutrient supply was likely a

key factor determining phytoplankton dynamics.

On one hand, due to lack of top-down control of

zooplankton (G.-Tóth, 1992, 2000), autogenic

succession is driven by competition for gradually

depleting resources, including nutrients. On the

other hand, resuspension related disturbance is

coupled to increased nutrients, primarily P avail-

ability from desorption from sediment particles.

The numerous storage and delay factors hidden in

the system make it impossible to characterize the
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Fig. 8 Compositional stability expressed as either the rate
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of disturbance in 2003 (a) and in 2004 (b). (Disturbance
was identified as high environmental instability indicated

by ISe > 2.5 values. N—total number of cases. Area of
symbols is proportionate to number of cases. c—interpre-
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role of nutrient stress on a daily basis. One

should, however, recognize that any change in the

phytoplankton community examined in the two

dimensional space of physical constraints implic-

itly reflects variability of nutrient stress.

Conclusions

(1) High-resolution online monitoring systems

are required to follow dynamics of the

environment and phytoplankton in sufficient

detail. Such time series reveal the enormous

complexity of ecosystems.

(2) Environmental states providing the oppor-

tunity for certain species or functional

groups to develop blooms represent extreme

margins in the space of environmental con-

straints with strong unidirectional selective

pressure. Correspondingly, blooms are rare,

exceptional events and phytoplankton spend

nearly 80% of the time in a ground state

with low biomass and high diversity.

(3) Growth and collapse of blooms could be

described by a simple threshold model based

on habitat templates of the bloom-forming

functional groups. In contrast to the predict-

ability of major blooms, dominance and

biomass was unpredictable during the

ground state.

(4) Disturbances could be identified with suc-

cess using a simple indicator of environmen-

tal instability developed here. Most of the

identified disturbance events provoked

detectable compositional changes in the

phytoplankton community, even though

time series of phytoplankton consisted of

only four colour classes. Autogenic succes-

sion and disturbance were found to be

equally important in shaping the phyto-

plankton community.

(5) The highly dynamic environment of shallow

lakes is predicted to restrict the occurrence

and duration of equilibrium phases.
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Süle and Mr. István Nádor from the West Transdanubian
Authority of Water and Environment for allowing access
to their load data and three anonymous referees for their
useful comments.

References

Borics, G., B. Tóthmérész, I. Grigorszky, J. Padisák,
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1997. Growth of Cylindrospermopsis raciborskii in
batch and continuous cultures. Hidrológiai Közlöny
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Abstract Planktonic microbial community struc-

ture and classical food web were investigated

in the large shallow eutrophic Lake Taihu

(2338 km2, mean depth 1.9 m) located in

subtropical Southeast China. The water column

of the lake was sampled biweekly at two sites

located 22 km apart over a period of twelve

month. Site 1 is under the regime of heavy

eutrophication while Site 2 is governed by wind-

driven sediment resuspension. Within-lake com-

parison indicates that phosphorus enrichment

resulted in increased abundance of microbial

components. However, the coupling between

total phosphorus and abundance of microbial

components was different between the two sites.

Much stronger coupling was observed at Site 1

than at Site 2. The weak coupling at Site 2 was

mainly caused by strong sediment resuspension,

which limited growth of phytoplankton and,

consequently, growth of bacterioplankton and

other microbial components. High percentages

of attached bacteria, which were strongly corre-

lated with the biomass of phytoplankton, espe-

ciallyMicrocystis spp., were found at Site 1 during

summer and early autumn, but no such correla-

tion was observed at Site 2. This potentially leads

to differences in carbon flow through microbial

food web at different locations. Overall, signifi-

cant heterogeneity of microbial food web

structure between the two sites was observed.

Site-specific differences in nutrient enrichment

(i.e. nitrogen and phosphorus) and sediment

resuspension were identified as driving forces of

the observed intra-habitat differences in food web

structure.
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Introduction

Eutrophication in lakes associated with cyanobac-

terial blooms, notably the cyanobacteria Micro-

cystis spp., is becoming common in many parts of

the world as a consequence of excessive input of

nutrients and water pollution (Dokulil & Teubner,

2000). Although many studies on pelagic classical

food webs have been performed, the microbial

food webs of eutrophic lakes in tropical or

subtropical zone have received only little atten-

tion (Robarts & Wicks, 1990; Sommaruga, 1995).

The currently available information on microbial

food webs in the pelagic of freshwater systems is

mainly about temperate lakes. In these lakes

nutrient has significant impacts on microbial food

webs (e.g. Weisse, 1991; Berninger et al., 1993).

The nutrients enrichment in lakes resulted in

increased abundance and biomass of different

microbial components (e.g. Beaver & Crisman,

1989; Christoffersen et al., 1990; Berninger et al.,

1991). Also under eutrophic and hypertrophic

conditions, the microbial food webs may play an

important role in the carbon flow and nutrient

cycling as they do under oligotrophic conditions

(Weisse & Stockner, 1993). On the other hand, the

energy transfer efficiency is assumed to decrease

with increasing trophic status of lakes (Weisse &

Stockner, 1993; Sommaruga, 1995). Along a gra-

dient towards eutrophy, ‘bottom-up’ control (i.e.

supply of nutrients) of the microbial components

is increasingly shifted to ‘top-down’ interactions

(Weisse, 1991; Weisse & Stockner, 1993). In

eutrophic lakes with high abundance of colonial

Microcystis spp., the dominance of Microcystis-

attached or Microcystis-associated bacteria may

occur (Worm & Søndergaard, 1998). Due to the

decreased sensitivity of attached bacteria to graz-

ing by most bacterivorous protists (Jürgens &

Güde, 1994), the increased proportion of attached

bacteria may have consequences for the structure

and energy transfer efficiency of microbial food

web in Microcystis spp. dominated habitats.

Physical forces may influence the microbial

food webs of shallow water habitats. One of the

most important processes is wind-driven sediment

resuspension and water column mixing. It has

been indicated that sediment resuspension may

increase the total abundances and may also

change the community composition of protists

due to passive dispersal of protists from sediment

(Rogerson & Laybourn-Parry, 1992; Shimeta &

Sisson, 1999; Garstecki et al., 2000) and due to

species-specific differences in susceptibility to

resuspension (Shimeta & Sisson, 1999; Garstecki

et al., 2002). Previous experiments demonstrated

that at least some protists are generally well

adapted to environmental situations of high

sediment load (Boenigk & Novarino, 2004). Field

and experimental studies indicate that sediment

resuspension may cause release of nutrients and

organic matter into the water column (Arfi &

Bouvy, 1995). This can result in increased bacte-

rial abundance and biomass (Wainright, 1987,

1990; Ritzrau & Graf, 1992), as well as in

increased numbers of bacterivorous protists ben-

efiting from the increased prey availability (Gars-

tecki et al., 2002). The currently available

information on the ecological impacts of sediment

resuspension was mainly obtained in studies on

estuarine and costal systems.

In this study, the structure and dynamics of the

planktonic microbial food web in the large sub-

tropical shallow eutrophic Lake Taihu (Qin et al.,

2007) were investigated. This lake has been the

subject of many limnological studies during the

last 50 years (Qin et al., 2004), however, detailed

studies on the microbial food web were lacking

thus far. For comparison of intra-habitat differ-

ences of microbial food web structure two sites

located 22 km apart were selected for investiga-

tion over a period of twelve month. The two sites

differ strongly in their degree of sediment resus-

pension and eutrophication. In order to reveal

possible site-specific differences in the interactions

between classical and microbial food web, the

dynamics and composition of phytoplankton and

zooplankton were also investigated. Attempts to

analyse the potential effects of eutrophication and

sediment resuspension on microbial food web in

this large and shallow lake were made.
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Methods

Study sites and sampling scheme

General information of Lake Taihu can be found

in the introductory paper (Qin et al., 2007) or

elsewhere (Chen et al., 1997; Qin et al., 2004).

The lake can be divided into several different

regions according to the spatial differences of

physical and chemical conditions and phytoplank-

ton community structure (Chen et al., 1997, 2003).

One sampling station (Site 1) is located in

Meiliang Bay, which was highly enriched with

nitrogen and phosphorus (Fig. 1). The bay is

located in the northern part of Lake Taihu, has a

surface area of ca. 100 km2, and an average depth

of ca. 1.8 m. The eutrophication of the bay was

mainly caused by pollution with domestic waste-

water discharged from Lujiang and Liangxi River

(Fig. 1). The second sampling station (Site 2) is

located in the open lake close to its centre

(Fig. 1). The open lake is less enriched with

nitrogen and phosphorus than most of the bays.

The open lake is on average only a few centime-

tres deeper than Meiliang Bay, but much more

exposed to wind.

Twenty-four samplings were performed at both

sampling sites from September 30, 2002 to Sep-

tember 30, 2003, at intervals of ca. 15 days. All

samples were collected from surface waters (top

50 cm) with a 5-litre Schindler sampler. Sampling

was undertaken between 9 and 11 a.m. Fifty ml

water samples for determination of numbers of

freely suspended bacteria, attached and aggre-

gated bacteria, and heterotrophic nanoflagellates

(HNF) were fixed with 2% formalin (final con-

centration). 250 ml water samples for determina-

tion of phytoplankton, ciliates, and nauplii were

preserved with 1.5% Lugol’s Iodine. Macrozoo-

plankton was collected by filtering 5 litre lake

water through a nylon mesh of 30 lm. Samples

were fixed with formalin (final concentration

4%). All samples were stored at 4�C in dark

until further analysis within 5 months.

At each second sampling, secchi-depth (SD),

water temperature (WT), pH, conductivity

(Cond), dissolved oxygen (DO), total suspended

solid (TSS), total nitrogen (TN), total dissolved

nitrogen (TDN), ammonium (NH4
+), nitrite (NO2

–),

nitrate (NO3
–), total phosphorus (TP), total dis-

solved phosphorus (TDP), ortho-phosphorus

(PO4
3–-P), and chlorophyll a (Chl a) weremeasured

according to standard methods (Jin & Tu, 1990).

Abundance and biomass determination

Phytoplankton samples were counted using a

sedimentation chamber of 1–5 ml at 200· or

400· magnification on an inverted microscope.

Phytoplankton species were identified according

to Hu et al. (1980). Algal biovolumes were

calculated from cell numbers and cell size mea-

surements using appropriate geometric morphs

(Hillebrand et al., 1999). Conversion to biomass

assumed that 1 mm3 of biovolume is equivalent to

1 mg of fresh-weight biomass.

Ciliates and nauplii were counted in sedimenta-

tion chambers of 5–50 ml at 200· magnification on

an inverted microscope. Ciliates were identified

mainly according to the keys of Foissner andBerger

(1996), andFoissneret al. (1999).Lineardimensions

of about 30 individuals of abundant taxa were

measured by using the LUCIA G image analysis

system (Lucia 4.51, Laboratory Imaging, Prague,

Czech Republic), which was connected to the

invertedmicroscope via a video camera. The biovo-

lumes were calculated using appropriate geometric

shapes and converted into biomass using a conver-

sion factor of 110 fg C lm–3 (Turley et al., 1986).

Macrozooplankton were counted in a Bogorov

Fig. 1 Map of the northern part of Lake Taihu showing
the locations of the sampling sites in Meiliang Bay (Site 1)
and the open lake (Site 2)
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chamber at 45· magnifications, and identified

according to Zhang & Huang (1991). For counting

of rotifers fixed samples of 0.1 to 0.5 litre were

filtered through a 30 lm mesh and poured into a

chamber, and counted at 100· magnification fol-

lowing the same approach as for ciliates and nauplii.

For determination of numbers of freely sus-

pended bacteria and numbers of attached bacteria

untreated and sonicated subsamples were counted

(Velji & Albright, 1993). Subsamples (0.2–1 ml)

were diluted to 1 or 2 mlwith autoclaved inorganic

medium, stained with 4,6-diamidino-2-phenylin-

dole (DAPI) (0.1%wt/vol, final concentration) for

10 min (Porter & Feig, 1980), filtered onto black

0.2 lmpore-sizemembrane filters (Millipore), and

counted at 1250· magnifications by using an

epifluorescence microscope (Zeiss, Germany)

equipped with a BP 365, FT 395, and LP 397 filter

set. Attached bacterial abundances were deter-

mined as the differences between total cell num-

bers (sonicated samples) and total numbers of

freely suspended cells (non-sonicated samples).

Autotrophic picoplankton cells were identified by

checking for the presence of autofluorescence

under green excitation and excluded frombacterial

counts. Length and width of bacteria were deter-

mined with LUCIA G image analysis system as

described in Psenner (1993). Cell volumes were

calculated with the formula: V = (w2 · p/4) ·
(l–w) + (p · w3/6), where V = Volume (lm3),

w = width (lm) and l = length (lm). The biovo-

lumes were converted into biomass using allomet-

ric relationship as suggested by Norland (1993).

Heterotrophic nanoflagellates (HNF) were

counted and measured in the same way as for

bacteria except sonication of samples. Individual

autofluorescence was measured under green exci-

tation using a BP 510–560, FT 580, and LP 590

filter set. Biovolumes were calculated using the

formula: V = (p · w2/6) · L, where V = Volume

(lm3), w = width (lm) and L = length (lm). The

biomass of HNF was estimated from mean cell

volume using a conversion factor of 220 fg C lm3

(Borsheim & Bratbak, 1987).

Statistics

Redundancy analysis (RDA) was applied for

revealing relationship between the members of

planktonic microbial and classical food web and

the major environmental variables controlling the

dynamics of different members. The biotic vari-

ables include the abundances of total bacteria,

attached bacteria, HNF, ciliates, rotifers, Cladoc-

erans, Daphnia sp., total phytoplankton, and

Microcystis spp. The tested abiotic environmental

variables were water temperature, TP, TN, TSS

and COD. All data were log (x + 1) transformed.

The RDA was performed with the software

CANOCO 4.5 (SCIENTIA Software) by assum-

ing linear species-environment relationships be-

cause Detrended Correspondence Analysis

(DCA) run on biotic variables indicated that the

length of first axis was <2. The significance of first

ordination and canonical axes together was

assessed in permutation tests with 499 unre-

stricted Monte Carlo permutations. The statistical

analyses were performed separately for data of

Site 1 and Site 2. T-test was used to test the

differences of parameters between the two sites.

Log-transformation was used to normalize the

data if necessary.

Results

Major ecological differences at the two study

sites

Main ecological parameters measured at the two

sites of Lake Taihu during the one-year sampling

period were summarized in Table 1. Major

between-sites differences in chemo-physical

parameters were observed for conductivity, secchi

depth, concentration of total suspended solid, and

concentrations of major algal nutrients (Table 1).

No anoxic condition were observed at both sites

over the water column and near the bottom, but

much lower dissolved oxygen was found at the

sediment water interface at Site 1 (unpublished

data from Fan et al.). Minimum water tempera-

ture (3.8�C) was measured in January and max-

imum water temperature occurred in July (30�C)
(Fig. 2a and b). The concentrations of TSS, TN,

NH4
+, NO3

–, TP, TDP, and Chl a were higher at

Site 1 than those at Site 2. Abundance and

biomass of components of planktonic community

were higher at Site 1 than at Site 2. Little

fluctuation of chl a value was observed at Site 2
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(Fig. 2b). But high seasonal variation of TSS was

found at Site 2 relative to Site 1 (Fig. 2e, f).

Results of RDA indicated that the most impor-

tant factors structuring the food web at Site 1

were TP and water temperature (Fig. 3a), while

at Site 2 it was only the water temperature

(Fig. 3b).

Seasonal changes of microbial components

At Site 1, total bacterial abundance ranged from

2.9 · 106 cells ml–1 to 14.5 · 106 cells ml–1 with a

mean of 7.4 · 106 cells ml–1 (Fig. 4a). Bacterial

numbers peaked in the middle of summer and

showed the lowest values in late winter. The mean

of bacterial cell volume ranged from 0.03 to

0.13 lm3, while the median ranged from 0.02 lm3

to 0.09 lm3 (Fig. 4e). Total bacterial biomass

ranged from 34.8 lg C l–1 to 299.5 lg C l–1 with a

mean of 98.3 lg C l–1 (Fig. 4a). Fluctuation of

bacterial biomass was generally in accordance

with bacterial abundance. Attached bacterial

abundance oscillated between 0 (not measurable)

and 6.1 · 106 cells ml–1 with a mean of 1.4 · 106

cells ml–1 accounting for 0–51.8 % and 14.4% of

the total bacterial abundance (Fig. 4c). High

numbers of attached bacteria were observed from

May to October.

At Site 2, the mean bacterial abundance was

5.7 · 106 cells ml–1 with a highest value of

9.2 · 106 cells ml–1 in middle of summer and a

lowest value of 2.0 · 106 ml–1 in early winter

(Fig. 4b). The bacterial biomass ranged from

28.9 lg C l–1 to 128.4 lg C l–1 with an average

of 64.9 lg C l–1. Little fluctuation of bacterial

abundance and biomass was observed at Site 2.

Attached bacteria ranged from 0 (not measur-

able) to 4.3 · 106 cells ml–1 with a mean value of

1.4 · 106 cells ml–1, which account for 0–51.2%

and 19.0% of the total bacterial abundance

Table 1 Physical, chemical, and biological parameters determined for the two sampling sites of Lake Taihu in the period
from September 2002 to September 2003. The data of the two sampling sites were compared by t-test

Parameters Site 1 Site 2 p value
Mean (range) Mean (range) (t-test)

Water depth (m) 2.0–2.7 2.4–3.2 <0.01
Water temperature (�C) 17.6 (4.3–30.0) 17.2 (3.8–30.0) 0.91
Dissolved oxygen (g m–3) 9.28 (6.38–12.31) 9.01 (6.82–12.51) 0.91
Conductivity (ls cm–1) 457 (380–570) 388 (320–440) <0.01
PH 8.43 (8.01–8.98) 8.38 (8.19–8.66) 0.59
Secchi-depth (cm) 50 (10–100) 36 (15–50) 0.08
Total suspended substances (g m–3) 32.31 (9.56–51.09) 68.18 (20.24–170.12) 0.02
Chemically oxygen demanded (mg l–1) 7.6 (4.6–34.2) 5.9 (3.6–5.9) 0.04
Total nitrogen (lmol l–1) 282.9 (108.6–780.0) 154.8 (61.4–252.9) 0.03
Total dissolved nitrogen (lmol l–1) 182.9 (32.1–311.4) 117.9 (21.4–234.9) 0.09
NH4

+-N (lmol l–1) 40.0 (2.14–110.0) 6.4 (1.4–17.9) <0.01
NO2

–-N (lmol l–1) 5.0 (0.7–19.3) 0.7 (0.1–1.4) 0.03
NO3

–-N (lmol l–1) 70 (3.6–132.1) 59.3 (4.3–124.3) 0.58
TP (lmol l–1) 3.39 (1.26–6.87) 2.36 (1.45–3.81) 0.06
Total dissolved phosphorus (lmol l–1) 1.07 (0.52–2.32) 0.65 (0.32–1.84) 0.04
PO4

3–P (lmol l–1) 0.19 (0–1.0) 0.13 (0–0.39) 0.19
Chlorophyll a (lg l–1) 20.75 (1.70–52.01) 8.88 (3.83–16.12) 0.04
Total nitrogen: total phosphorus 44.95 (8.82–103.08) 32.35 (12.2–75.8) 0.40
Total bacterial abundance (106 cells ml–1) 7.4 (2.9–14.5) 5.7 (2.0–9.2) <0.01
Total bacterial biomass (lg C l–1) 98.3 (34.8–299.5) 64.9 (28.9–128.4) <0.01
HNF abundance (107 cells l–1) 0.8 (0.1–3.5) 0.5 (0.1–1.6) 0.03
HNF biomass (lg C l–1) 127.1 (4.9–699.7) 84.7 (1.6–454.3) 0.02
Ciliate abundance (103 cells l–1) 9.1 (0.5–29) 8.7 (1.8–62.6) 0.89
Ciliate biomass (lg C l–1) 16.2 (0.7–68.6) 10.4 (1.4–37.4) 0.21
Phytoplankton biomass (mg l–1) 2.38 (0.06–9.02) 0.28 (0.01–0.86) 0.02
Rotifer abundance (ind. l–1) 640 (1–4650) 156 (1–696) 0.02
Cladocerans abundance (ind. l–1) 183 (0.2–740) 87.5 (1.4–496) 0.03
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respectively (Fig. 4d). High abundance and per-

centage of attached bacteria were found from

early spring to late autumn. The mean and

median of cell volume fluctuated from 0.03 to

0.07 lm3 and 0.02 lm3 to 0.03 lm3 respectively

(Fig. 4f). No correlations between the cell vol-

umes of freely suspended bacteria or attached

bacteria, and temperature were found at both

sampling stations (linear regression, P > 0.05).

The abundance of HNF at Site 1 ranged from

0.1 · 107 cells l–1 to 3.5 · 107 cells l–1 with a med-

ian and mean density of 0.6 · 107 cells l–1 and

0.8 · 107 cells l–1 respectively (Fig. 5a). HNF in

the size class from 5 to 10 lm were the most

abundant. HNF biomass ranged from 4.9 lg C l–1

to 699.7 lg C l–1 with a median and mean biomass

of 56.6 lg C l–1 and 127.1 lg C l–1, respectively

(Fig. 5a). Single peak of HNF abundance and

biomass was observed in late autumn, while no

strong oscillation was observed during other

months (Fig. 5a).At Site 2, themedian andaverage

density of HNF was 0.4 · 107 cells l–1 and

0.5 · 107 cells l–1 with a range from 0.1 · 107

cells l–1 to 1.6 · 107 cells l–1, respectively (Fig. 5h).

HNF biomass ranged from 1.6 lg C l–1 to

454.3 lg C l–1 with a median and mean biomass

of 57.3 lg C l–1 and 84.7 lg C l–1 (Fig. 5h). HNF

biomass formed one peak in late fall (Fig. 5h).

Both HNF abundance and HNF biomass were not

correlated with the mean size of total bacteria and

freely suspended bacteria at both sites (linear

regression, P > 0.05).

At Site 1, the abundance of ciliates ranged

from 470 cells l–1 to 29,000 cells l–1 with a mean

and median density of 9100 cells l–1 and

4000 cells l–1 (Fig. 5b). Ciliates in the size class

of 20–40 lm were the most abundant in most time

of the year (Fig. 5b). Dominant taxa in this size

Fig. 2 Seasonal development of Chlorophyll a and water
temperature (a and b), biomass of phytoplankton and
biomass of colonial Microcystis spp. (c and d, and total

suspended solids (TSS) (e and f) in the water column at the
two sampling stations in Lake Taihu
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class were Strobilidium-like and unidentified oli-

gotrich small ciliates. The lowest abundance

occurred in winter and early spring with excep-

tion of 15th of January, while the highest density

was observed in summer. Ciliates <20 lm were

abundant only from July to September (Fig. 5b)

Fig. 3 RDA biplots show different planktonic groups in
relation to main environmental factors at Site 1 (a) and
Site 2 (b) in Lake Taihu. TN, TP, TSS, WT and COD refer
to total nitrogen, total phosphorus, total suspended

substances, water temperature, and chemically oxygen
demanded respectively. AB, MB, TB, and ATB refer to
abundance of phytoplankton, Microcystis spp., total bac-
teria and attached bacteria, respectively

Fig. 4 Seasonal development of total bacterial abundance and total bacterial biomass (a and b), attached bacterial
abundance (c and d), mean and median of bacterial size (e and f) at the two sampling sites in Lake Taihu
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and dominated by Urotricha-like species. In

January and June, ciliates >40 lm contributed

50% of total ciliate abundance (Fig. 5b). They

were represented by Vorticella spp., Epistylis spp.,

Codenella sp., and Tintinnidium spp. Total ciliate

biomass ranged from 0.7 lg C l–1 to 68.6 lg C l–1

with a mean and median of 16.2 lg C l–1 and

10.3 lg C l–1 (Fig. 5b). High biomass was ob-

served in January and June, which was mainly

contributed by Vorticella spp., and Epistylis spp.

At Site 2, total ciliate abundance averaged

8700 cells l–1, showing two higher values at the

end of January with density of 26,100 cells l–1 and

in midsummer with density of 62,600 cells l–1,

while showing lower values during most time of

the year (Fig. 5i). During the winter peak, ciliates

in the size class of <40 lm were the dominant

groups (Fig. 5i). They were represented by an

unidentified small ciliate and Pelagovorticella-like

species, respectively. During the summer peak,

Urotricha-like ciliates were dominating. During

other periods, ciliates were mainly composed of

Codenella sp., Tintinnidium spp., Stenosemella sp.,

and Vorticella spp. Total biomass of ciliates

ranged from 1.4 lg C l–1 to 37.4 lg C l–1 with a

mean and median of 10.4 lg C l–1 and 7.5 lg C l–1

(Fig. 5i). Higher biomass was observed from May

to August, which was mainly contributed by

Vorticella spp. and Codenella sp.

Community dynamics of phytoplankton and

zooplankton

At Site 1, the phytoplankton biomass ranged from

0.06 g m–3 in January to 9.02 g m–3 in October.

The cyanobacteria Microcystis spp. dominated in

terms of biomass among the cyanobacteria, as

well as among the whole phytoplankton assem-

blages from July to November (Fig. 2a). At Site 2,

low phytoplankton biomass was observed with a

range from 0.01 g m–3 in December to 0.86 g m–3

in October. Microcystis spp. dominated phyto-

plankton communities in August and September

(Fig. 2b).

At Site 1, rotifer abundance averaged 640

ind. l–1 showing the highest value of 4650 ind. l–1

in the middle of July and the lowest value of

1 ind. l–1 at the end of December (Fig. 5c).

The abundant rotifers include Branchionus sp.,

Keratella valga, and Polyarthra sp., while

Asplanchna priodonta only contributed to more

than 50% of rotifer biomass in middle of July.

Nauplii abundance ranged from 6 to 1200 ind. l–1

with an average and median of 144 and 27 ind. l–1

(Fig. 5d). The highest abundance occurred at the

end of August, while much lower abundance was

observed during most of other period (Fig. 5d).

Abundance of calanoid copepods ranged from

0 to 22 ind. l–1 with maximum abundances occur-

ring in middle of fall and spring, and minimum in

summer (Fig. 5e). Abundance of cyclopoid cope-

pods averaged 49 ind. l–1, showing highest value

of 408 ind. l–1 in middle of July and much lower

values during most of the other periods (Fig. 5f).

The succession of cladocerans can be divided into

two main phases (Fig. 5g). In the first phase,

Daphnia sp. dominated the plankton community

from end of February to end of May, with

maximum abundance of 96 ind. l–1 at the end of

March (Fig. 5g). In the second phase, from June

to November, Bosmina sp. was the most abundant

species, showing the highest abundance of

722 ind. l–1 at the end of June (Fig. 5g). Moina

sp. only appeared in considerable numbers in

middle of September (Fig. 5g). At Site 2, low

rotifer abundances were observed all over the

year, ranging from 1 to 696 ind. l–1 with an

average of 156 ind. l–1 (Fig. 5j). Little fluctuation

of rotifer abundance was found (Fig. 5j). The

abundant rotifers include Branchionus sp., Kera-

tella cochlearis, and Polyarthra sp. Nauplii abun-

dance ranged from 0.6 to 2830 ind. l–1 with an

average and median of 226 and 17 ind. l–1

(Fig. 5k). One nauplii peak appeared at the end

of June, while much lower abundance was

observed during most of the other periods

(Fig. 5k). Higher abundance of calanoid cope-

pods and cyclopoid copepods was observed in

later summer while lower abundance appeared

during most of other period (Fig. 5l, m). The

succession of cladocerans could again be divided

into two main phases (Fig. 5n). In the first phase,

Daphnia sp. also dominated the plankton com-

munity at this site from middle of January to
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middle of May, with maximum abundance of

29 ind. l–1 at the end of March (Fig. 5n). In the

second phase from May to middle of November,

Bosmina sp. and Moina sp. were the most

abundant species, showing the highest abundance

of 496 ind. l–1 in the middle of August (Fig. 5n).

Fig. 5 Seasonal changes in abundance (•) and biomass (s)
of HNF (a and h), ciliates (b and i), rotifers (c and j),
nauplii (d and k), calanoid copepods (e and l), cyclopoid
copepods (f and m), and cladocerans (g and n). In Fig. b
and i, the vertical bars show abundances of ciliates in three

size classes: <20 lm (open part of the bars); 20–40 lm
(upward diagonally hatched part of the bars); and > 40 lm
(downward diagonally hatched part of the bars). In figure g
and n, the vertical black bars show the abundance of
Daphnia
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Statistics

RDA model calculated with the data of Site 1 and

Site 2 significantly (for first canonical axis,

P < 0.05) explained the variability of the abun-

dance of members of planktonic food webs at

both sites (Figs. 3a and b). At Site 1 (Fig. 3a), the

first axis showed high canonical correlation with

TP, WT, COD, and TSS, which were positively

related to planktonic components except for HNF

and Daphnia. HNF was negatively related to such

micrograzers like rotifer and Bosmina-dominated

zooplankton. Daphnia abundance was negatively

related with all microbial components. There was

a significant correlation between attached bacte-

ria and TSS and abundance of Microsystis spp. At

site 2 (Fig. 3b), the first axis showed only high

canonical correlation with water temperature. In

contrast to Site 1, TN, TSS and TP were even

negatively related to abundance of phytoplankton

and microbial communities. Daphnia abundance

was negatively related with all microbial compo-

nents as the same at Site 1.

Discussion

Influence of sediment resuspension

on microbial components

Based on the concentrations of TP and TN

(Table 1), Site 1 was more enriched with phos-

phorus and nitrogen than Site 2. On the other

hand, Site 2 showed a higher intensity of sediment

resuspension than Site 1, as indicated by higher

amount of TSS (Table 1). Furthermore, most

planktonic organisms showed on average lower

biomass at Site 2.

Sediment resuspension, as a common feature

of large shallow lakes, may have positive and

negative impacts on microbial food webs. Positive

effects on abundance of microbial components

could include (i) direct transportation of benthic

bacteria and protozoan into the water column

(Rogerson & Laybourn-Parry, 1992; Shimeta &

Sisson, 1999; Garstecki et al., 2000, 2002); (ii)

release of dissolved nutrient and organic matter

into water column (Arfi & Bouvy, 1995), and

thereby increasing the abundance of bacteria

(Wainright, 1987, 1990; Ritzrau & Graf, 1992)

and some bacterivorous protists (Garstecki et al.,

2002). However, no correlations between the

abundance of microbial components (i.e., bacte-

ria, HNF and ciliates) and TSS, the indicator of

sediment resuspension, were found at Site 2. The

same result was found for Site 1 except the

bacterial abundance. Possible explanation for

these findings is the different intensity of sedi-

ment resuspension, which is dependent on wind

speed, water depth, and the size of a lake. Site 1 is

located in the Meiliang bay, where only very

strong wind can cause a significant resuspension

of sediment (Qin et al., 2004). Therefore, con-

centration of suspended solids in the water

column at Site 1 was lower during periods of

weak wind intensity or at calm situations. This is

confirmed by little variations of TSS and high

contribution of phytoplankton biomass to the TSS

fraction. This contribution was indicated by the

strong positive correlations between phytoplank-

ton biomass and TSS. The microbial organisms in

the upper sediment may only contribute to the

microbial components in the water column of the

bay during periods with high wind intensity. Site 2

is located in the centre of the lake, where

moderate wind (3.3–5.0 m s–1) caused strong

mixing of the water column and sediment resus-

pension during almost two thirds of a year (Qin

et al., 2004; Luo et al., 2004). Long-lasting

sediment accumulation at the lake bottom was

not observed at Site 2 (Qin et al., 2004). The

bottom (hard clay) water interface at Site 2 can

only allow biofilm-forming microorganisms to

inhabit this surface, and these biofilm organisms

cannot contribute much to the planktonic micro-

bial community in the water column. For the

same reason, not much organic carbon can be

deposited and later introduced into the water

column by resuspension events. Therefore, the

bacterial community at Site 2 could, in contrast to

Site 1, not benefit from release of organic material

from the sediment during resuspension events.

This fits to the observation, that higher amount of

resuspended sediment did not lead to higher

abundances of total bacteria and freely suspended

bacteria at Site 2. To reveal the exact contribution

of benthic microbial organism to planktonic

microbial food web and its controlling factors,
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more detailed temporal in situ studies are needed

at different locations of the lake.

At Site 2 a negative correlation between TSS

and phytoplankton biomass and a relatively low

phytoplankton biomass despite relatively high

concentration of total phosphorous were ob-

served. Obviously, the phytoplankton was nega-

tively impacted by decrease in light intensities as

a result of the frequent resuspension of sediment

and the high concentration of TSS (Chen et al.,

2003). A negative indirect impact of sediment

resuspension on bacterial growth conditions could

be caused by the limited growth and production

of phytoplankton. Decrease in primary produc-

tion may lead to a lower supply of dissolved

organic carbon for bacterial growth (Chen &

Wangersky, 1996). At Site 1, the positive corre-

lations between TSS and the bacterial abundances

or phytoplankton biomass suggest no apparent

negative impacts.

Impacts of eutrophication on microbial

components

Higher abundances of microbial components (i.e.

bacteria, HNF) were observed at site 1 than those

at Site 2. This within-lake comparison supports

the hypothesis that abundances of microbial

components are positively related to phosphorus

enrichment of a lake (e.g. Weisse, 2003). How-

ever, the coupling between TP and abundance of

microbial components was much different at the

two sites (Fig. 3). Indeed no obvious correlation

between TP and abundance of microbial compo-

nents was observed at Site 2 (Fig. 3b). This weak

coupling could be duo to the strong sediment

resuspension at Site 2, which limited growth of

phytoplankton and, consequently, growth of bac-

terioplankton and other microbial components

(i.e. HNF, ciliate). This was supported by the fact

that no correlation between TP and phytoplank-

ton abundance were observed at Site 2 (Fig. 3b),

while good correlation between abundance of

phytoplankton and bacterioplankton was found at

both sites (Figs. 3a and b). On the other hand, on

average higher biomass ratios of phytoplankton

to bacteria were observed at Site 1 than at Site 2

(Fig. 6). This may indicate different rates of

bacterial production at two different locations.

Along a gradient towards eutrophy, microbial

food webs are progressively controlled by ‘top-

down’ forces (Weisse & Stockner, 1993), and

zooplankton predation on components of micro-

bial food webs is gaining an increasing impor-

tance in linking of planktonic microbial food webs

and the classical food chains. Among the zoo-

plankton, Daphnia, can strongly suppress the

microbial food web by their size-selective feeding

abilities (Weisse & Stockner, 1993; Jürgens, 1994,

Jürgens & Stolpe, 1995). The data on the seasonal

succession of cladocerans, flagellates, bacteria and

ciliates at both sites allow insights into the trophic

interactions between metazoans and the micro-

bial loop (Figs. 3, 5), and indicate the similar ‘top-

down’ forces of Daphnia during spring and early

summer in such a subtropical lake. Following the

collapse of Daphnia population in mid-summer,

possibly due to fish predation and blooming of

toxic colonial Microcystis spp., Bosmina sp. and

Moina sp., dominated the crustacean community.

Significance of attached bacteria

Particles from sediment resuspension, terrestrial

input, and large phytoplankton are important for

colonization of attached bacteria (Simon et al.,

2002). Lake Taihu received a large amount of

particles (organic and inorganic) from its wa-

tershed due to intensive agriculture and soil

erosion (Dokulil et al., 2000). Sediment resuspen-

sion especially in the open lake is very significant

due to the lake’s shallowness (Qin et al., 2004).

Fig. 6 Biomass ratios of phytoplankton to bacteria at the
two sampling sites in Lake Taihu
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Under the process of eutrophication, phytoplank-

ton blooms, notably the colonial Microcystis spp.

fuel Lake Taihu with high amount of particulate

organic matter (Chen et al., 2003). Our investi-

gations indicated that high abundances of at-

tached bacteria occurred from summer to autumn

at both sites in this lake. At Site 1, the strong

correlations between attached bacterial abun-

dance and biomass of Microcystis spp. suggests

that much of the attached bacteria were associ-

ated with Microcystis spp. colonies (Fig. 3a). This

fits to the findings in a eutrophic Danish lake

(Worm & Søndergaad, 1988). Worm et al. (2001)

demonstrated that bacteria attached to phyto-

plankton blooms hold up to nearly 80% of total

bacterial numbers in an enclosure experiment. At

Site 2, however, no strong correlations between

attached bacterial abundance and phytoplankton

biomass, Microcystis spp. biomass, and TSS were

observed. This might suggest that the communi-

ties of attached bacteria differed in their compo-

sition at the two investigated sites.

In comparison to freely suspended bacteria,

attached bacteria contributed higher proportion

to bacterial production (Simon et al., 2002). The

dominance of attached bacteria in Lake Taihu

from summer to autumn may have consequences

for the structure of the microbial food web, as

well as for the carbon flow through the entire

food web. Since attached bacteria could be less

susceptible to predation by protozoan (Jürgens &

Güde, 1994), the production by attached bacteria

might not be channeled efficiently through the

microbial food web to higher trophic levels. On

the other hand, planktivorous fish (e.g. Hypoph-

thalmichthys molitrix, Aristichthys nobilis com-

monly found in Lake Taihu), which are able to

directly graze upon phytoplankton dominated by

Microcystis spp. (Xie & Liu, 2001), may directly

crop a part of the production of attached bacteria.

This may lead to a direct channeling of a part of

the bacterial production to higher trophic levels.

Conclusion

Significant intra-habitat heterogeneity of micro-

bial food web structure and dynamics was

observed in Lake Taihu. Site-specific differences

in wind-driven sediment resuspension, as well as

differences in intensity of eutrophication were

identified as major causes of the observed within

habitat heterogeneity. In contrast to previous

observations in coastal regions, our investigations

indicate that frequent sediment resuspension in

large lakes does not contribute to growth of

planktonic microbial organisms.
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Abstract The purpose of this study was to evalu-

ate the effects of limiting nutrients and the N:P

ratios on the growth of phytoplankton (mainly

cyanobacteria) in a shallow hypertrophic reservoir

between November 2002 and December 2003.

Nutrient enrichment bioassays (NEBs) were con-

ducted, along with analyses of seasonal ambient

nutrients and phytoplankton taxa, in the reservoir.

The average DIN:TDP and TN:TP mass ratios in

the ambient water were 90 (range: 17–187) and 34

(13–60), respectively, during the study period. The

dissolved inorganic phosphorus showed seasonal

variation, but less than that of inorganic nitrogen.

The TN:TP ratios ranged from 13 to 46 (mean:

27 ± 6) during June–December when the cyano-

bacteria,Microcystis, dominated the phytoplankton

composition.TheNEBsshowed thatphytoplankton

growth was mainly stimulated by the phosphorus

(all of total 17 cases), rather than the nitrogen

concentration (8 of 17 cases). The rapid growth rate

of cyanobacteria was evident with TN:TP ratios less

than 30. According to the results of the NEBs with

different N concentrations (0.07, 0.7 and 3.5 mg l–1),

but the same N:P ratios and when the nitrogen

concentration was highest, the cyanobacterial

growth reached a maximum at N:P ratios <1.

Overall, the response of cyanobacterial growthwas

a direct function of added phosphorus in theNEBs,

and was greater with increased N concentrations.

Thus, cyanobacterial blooms favored relatively low

N:P ratios in this hypertrophic reservoir system.

Keywords N:P ratio � P-limitation �
Phytoplankton growth � Cyanobacteria �
Hypertrophic reservoir

Introduction

The nitrogen-to-phosphorus ratio (N:P) in lentic

systems has been frequently used as a key
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indicator in predicting algal biomass and com-

positions, and its seasonal succession (Tilman,

1982; Kilham, 1990). It can also serve as an

index that represents the nutrient limitation for

the algal growth (Smith, 1983; Fugimoto & Sudo,

1997). The atomic ratio, 16N:1P, which is known

as the Redfield ratio, has been used for generally

describing the average elemental composition of

phytoplankton. Many investigations; however,

have shown this ratio to vary considerably,

depending on the algal species and surrounding

environmental conditions (Rhee, 1978; Forsberg

& Ryding, 1980; Geider & La Roche, 2002; Ho

et al., 2003), and that optimum nutrient ratios

vary interspecifically within the diatoms due to

growth competitions (Tilman, 1977, 1978).

A considerable variation in the nutrient stoi-

chiometry of the natural phytoplankton commu-

nity is a reflection of the type and extent of

nutrient limitation and availability. In turn, this

is likely related to the supply ratios of the

elements loaded to the lake affecting the devel-

opment of particular phytoplankton communities

(Smith, 1983; Smith et al., 1987; Sommer, 1989;

Fujimoto & Sudo, 1997; Xie et al., 2003). The

hypothesis of ‘‘the dominance of cyanobacteria

at low N:P ratios’’ is one of these examples.

Smith (1983) pointed out that bloom-forming

cyanobacteria had a tendency to dominate the

lake when the N:P ratio was less than 29. The

significance of the N:P ratio as a critical stan-

dard, however, is still controversial, due to

variabilities in the other chemical characteristics

and phytoplankton compositions within a geo-

graphic region.

Unlike Smith’s ‘N:P ratio rule’, which stated

that the relative proportion of cyanobacteria to

the total algal biomass might decrease when the

N:P ratio exceeded 29 (Smith et al., 1987), the

bloom of cyanobacteria was affected by increases

in the phosphorus concentration rather than

simply by a decrease in the N:P ratio (Trimbee

& Prepas, 1987; Sheffer et al., 1997; Xie et al.,

2003). Moreover, the possibility that the growth

response of algae to the limiting nutrient would

be inconsistent with the N:P ratio rule in eutro-

phic systems that had greater amounts of nitrogen

and phosphorus than are required for algal

growths (Paerl et al., 2001). These results suggest

that the nutrient stoichiometry that algae require

for growth would vary with the extent of nutrient

deficiency and availability.

In this study, we evaluated the response of

phytoplankton growth in relation to different

ambient concentrations of N and P, and N:P

ratios, in a hypertrophic reservoir where the

nitrogen background concentrations were high.

For these experiments, we conducted nutrient

enrichment bioassays (NEBs) and compared the

growth rates of phytoplankton among several

treatments of the NEBs, along with seasonal

analyses of the ambient nutrients and phytoplank-

ton compositions.

Materials and methods

The study system

Singu Reservoir is a small agricultural reservoir,

with surface area of 0.1 km2 and maximum depth

of 7.0 m, which has two inflowing streams with

channel length of 1.3 and 3.4 km, respectively.

The total watershed area is 0.255 km2, with the

water quality mainly influenced by the point

source of livestock wastes (KARICO, 2001).

The watershed of the reservoir is located in

Monsoon climate region, and precipitation is

concentrated during June–September. The use

for irrigation affects the water level of the

reservoir (usually between May and June). Thus,

both irrigation and Monsoon rainfall affect both

water quality and water level of the reservoir.

Limnological variables

Various limnological variables including tempera-

ture, dissolved oxygen (DO) concentration, pH,

and electric conductivity (EC) were measured by

Hydrolab data logger (RE-232/SDI-12) in situ.

Temperature and DO were measured vertically at

20–50 cm intervals. Transparency was measured

with a white disk with 20 cm diameter.Water level

was measured as the maximum depth at each time.

Rainfall data were obtained from the nearest

meteorological observation center (Boryung

Meteorological Observation Center, Chungnam

Province, S. Korea).
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Chemical analyses

The surface water was collected biweekly from

the reservoir between November 2002 and

December 2003. Stream water samples were also

collected from an inflowing location prior to

entering the reservoir. The discharge volume

from the reservoir was estimated through the

linear multiplication of the water velocity and the

channel area.

Five liter water samples were collected for

analyses of nutrients and phytoplankton taxa,

using polyethylene bottles, which were kept in a

dark ice-box during transportation. On arrival at

the laboratory (within 5 h), the water samples

were filtered through GF/F filters, and the filtrate

used to measure the concentration of chlorophyll

a (Chl a). Phosphorus fractions, such as dissolved

inorganic phosphorus (DIP), total dissolved phos-

phorus (TDP) and total phosphorus (TP), were

analyzed in triplicate using the ascorbic acid

method from the standard method of the APHA

(1995). The NH4
+–N concentrations were mea-

sured using an indolphenol reagent, and those of

nitrate–nitrogen (NO3
––N) and nitrite–nitrogen

(NO2
––N) using the cadmium reduction method

(APHA, 1995). The total nitrogen (TN) was

measured using the cadmium reduction method,

following persulfate digestion. Dissolve inorganic

nitrogen (DIN) was obtained from the sum of

NO3
––N, NO2

––N and NH4
+–N. The Chl a concen-

tration was analyzed using the methanol extrac-

tion method of Maker et al. (1980).

Phytoplankton analysis

Water samples for the identification of phyto-

plankton species and the measurement of cell

densities were collected from a 0.5–1 m depth

from the reservoir, stored in Whirl-Pak bags and

fixed with Lugol’s solution (2%, final conc.). The

cell density was measured using the Sedgwick-

Rafter counting chamber under microscopic mag-

nification of 200–400·. The phytoplankton com-

position was identified as containing three major

and two minor taxa; Bacillariophyceae, Cyano-

phyceae and Chlorophyceae, and Dinophyceae

and Cryptophyceae, respectively.

Nutrient enrichment bioassays (NEBs)

In addition to the regular sampling, nutrient

enrichment bioassays (NEBs) were conducted

for the evaluations of the limiting nutrients that

regulate phytoplankton growth. The experiments

for the evaluation of NEBs were conducted in a

shaking incubator at a temperature of 20–25�C
and light intensity of 100 ± 5 lE m–2 s–1. For the

experiments, the water was filtered using 100 lm
mesh to minimize the effects associated with

zooplankton grazing. Aliquots of filtrate (50 ml)

were placed in 250 ml flasks, followed by the

addition of KNO3 and KH2PO4 as nutrient

sources, to final concentrations of 1 mg l–1 for

both nutrients. The final volume was made up to

100 ml with the addition of GF/F filtrate. A set of

algal bioassay was conducted in triplicate sets for

the control (no addition), +N (addition of nitro-

gen) and N + P (addition of nitrogen and phos-

phorus), and the responses measured as the

difference between the final and initial Chl a at

0, 1, 3, 5 and 7 days after incubation. The growth

rate (l: day–1) under each set of treatment

conditions was calculated using the equation of

the APHA (1995), as follows:

l ðday�1Þ ¼ ln ðX2=X1Þ=ðT2 � T1Þ

where; X1 ¼ the concentration of Chl a at the

initial incubation stage ðT1 hÞ;
X2 ¼ the concentration T2 h

Other triplicate experiments to measure the

phytoplankton growth rate were conducted with

five different P concentrations (+0.05, 0.1, 0.5, 1.0

and 1.5 mg l–1, as KH2PO4 spiking), with nitrogen

fixed at 1 mg l–1. The medium into which differ-

ent P concentrations were added was the same

GF/F filtered lake water as above. The nitrogen

concentrations of the medium used in the NEBs

were similar between the treatments categorized

with different N:P ratios. The spiking concentra-

tion of phosphorus, however, varied within the

range 0.05–1.5 mg l–1.

The DIN:TDP mass ratio was calculated

using the concentration measurements from the
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subsamples taken from each treatment prior to

the starting of the NEBs. The maximum growth

rate (lmax) and half saturation constant (Ku) were

calculated as values to the phosphorus concen-

trations, with the corresponding growth rate (l)
obtained from the model of Monod (1950)

employing the Sigma plot program (Version 7.0,

SPSS Inc.).

Analysis of cyanobacterial growth under

different N:P ratios

Using the same N:P ratio, the cyanobacterial

growth rates were determined for different N and

P concentrations. The incubation conditions were

maintained at 20�C, with a light intensity of

53 ± 2 lE m–2 s–1 (L:D cycle = 12:12). The light

intensities used were values observed during the

study period at the water depths from which the

samples were taken. The cyanobacteria were

collected by vertically pulling up a 30 lm pore

size plankton net, with the collected sample then

filtered through a 100 lm net to remove the large

zooplankton. In order to isolate the cyanobacteria

from composite phytoplankton, samples were

placed in a large-mouth container for 24 h, and

the cyanobacteria that rose to the surface due to

their buoyancy were transferred by pipette to a

GF/F pre-filtered lake water.

Cyanobacterial cells were starved in MA2

medium with phosphorus and nitrogen excluded.

After 2-week incubation, a 2 ml aliquot of the

cyanobacteria sample was placed in an acid-

washed 250 ml flask, along with MA2 medium

that had been modified with different phosphorus

and nitrogen concentrations. The N:P mass ratio

was controlled by changing the amount of phos-

phorus with respect to fixed portions of nitrogen

(0.07, 0.7 and 3.5 mg l–1). Triplicate treatment

sets were incubated for 5 days, and the cell

growth determined as the difference between

initial Chl a, prior to the incubation, and that

5 days later.

Statistical analysis

Statistical analyses were conducted between the

variables using Pearson’s correlation (SPSS 10.0).

The differences in the growth response between

the various NEB treatments were analyzed by an

ANOVA, and the level of significance identified

at P < 0.05.

Results

Variation of limnological variables

Rainfall during the study period was concentrated

between June and September (41.5 mm in June,

391 mm in July, 79.5 mm in August, and 393 mm

in September) (Fig. 1). The use for irrigation

between the end of May and mid June decreased

the reservoir water level from 7.1 to 5 m. The

water level returned to 7 m due to seasonal

monsoon rainfall during June–July. Transparency

of the reservoir varied seasonally with the peak

during May. The time of low transparency was
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coincided with the period of high pH, but EC

variation was almost mirrored with pH. The

reservoir had a weak thermal stratification near

the hypolimnion, which persisted annually from

mid-June to October (Fig. 2). Hypoxia <2 mg

O2 l
–1 in the hypolimnion was frequently ob-

served from the end of May, and was most intense

during mid-August. Hypolimnetic hypoxia was

maintained until late October, the beginning of

fall.

Variation of nutrients and phytoplankton

During the study period, the TN concentrations in

the reservoir were >1.2 mg l–1 (1.6–3.2 mg l–1)

(Fig. 3). The TN was mainly composed of NO3
––

N, rather than NH4–N, with NO2–N + NO3–N

and NH4–N ranging from 0.4 to1.9 and 0.01 to

0.92 mg N l–1, respectively (Fig. 3). Dissolved

inorganic N peaked in early spring (March–

April), then abruptly decreased during May–

August. Thus, the variation in the dissolved

inorganic N was greater than that of the TN.

DIP concentration ranged from 0.6 to 8.8 lg P l–1

and varied not much during the study period.

DTP ranged from 10.1 to 25.6 lg P l–1, with the

peak concentration during August and minimum

during December. The average TP was

76.4 lg P l–1 and showed large seasonal fluctua-

tions (48.0–126.6 lg P l–1). The TP increased

from June, reaching a maximum in October. This

reservoir was adjudged to be hypertrophic, based

on the conventional criteria of nitrogen and

phosphorus (Forsberg & Ryding, 1980). The

TN:TP mass ratios in this hypertrophic reservoir

were <60, whereas those of DIN:TDP increased

to >150 during March–June.

The concentration of Chl a varied from 28.8 to

109.7 lg l–1 during the study period, and showed

a similar seasonal pattern to that of the algal cell

density (Fig. 4). The Chl a was at a minimum

during early spring of 2003, but began to increase

from May when cyanobacteria dominated the

phytoplankton community. Thus, Chl a maxima

>90 lg l–1 were observed between July and

November, which coincided with the peaks in

the cell density (Fig. 4). The Chl a:TP ratios, the

Chl a yield for a given phosphorus concentration,

were >1.0, indicative of a massive algal bloom.

Pearson’s correlation analyses showed the Chl a

concentrations to be positively correlated

(r = 0.66, P = 0.002, n = 19) with the TP, but

negatively (r = –0.48, P = 0.042, n = 18) with the

TN. This result coincided with the inverse rela-

tions between Chl a and the TN:TP ratio (r =

–0.70, P < 0.001, n = 18).

The cell densities (cell number ml–1) in the

reservoir showed high seasonal fluctuations. The

community structure was characterized by

the dominance of cyanobacteria during most of
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the year, with the exception of a short period

during spring, which was dominated by a few

other phytoplankton, such as a diatom (Melosira

varians) and a green alga (Dictyosphaerium pu-

chellum), and cryptomonads (Rohdomonas spp.)

(Fig. 5). The dominant taxa of cyanobacteria

were Oscillatoria spp., Microcystis spp. and Aph-

anizomenon sp., which dominated from May until

the winter ice season. Seasonal succession of the

phytoplankton community showed that Oscillato-

ria spp. dominated at the beginning of the study

period, which was then followed by Aphanizom-

enon sp. in late spring when the water level of the

reservoir abruptly decreased. During the study,

the major species causing the algal bloom was

identified as Microcystis spp. (Fig. 5), and the

high Chl a >60 lg l–1, continued during July–

December 2003 (Fig. 4).
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Phytoplankton growth under limiting nutrients

and various N:P ratios

Overall, the results of the NEBs experiments

showed phosphorus as the key nutrient regulating

the phytoplankton growth in the system (Fig. 6,

lower panel), but nitrogen was also considered an

important nutrient during a short period (Fig. 6,

upper panel). Phosphorus enrichment caused a

significantly (P < 0.001, n = 17, ANOVA) greater

growth rate than that seen in the control and

nitrogen treatments (Fig. 6), indicating P-limita-

tion of the algal growth in the system. No

difference was found in the NEBs between the

P and N + P additions (P = 0.229, n = 17, ANO-

VA). Six of the 17 NEBs experiments (20 July, 8

August, 21 September, 2 October, 16 October,

and 1 November) showed significantly (P < 0.05,

n = 6, ANOVA) higher growth rates with the

N + P treatments than the P, N treatments and

control. This outcome suggests that simultaneous

limitation of nitrogen and phosphorus occurred

between July and early November 2003. In the

mean time, only 3 cases (November 2002, March

and April 2003) of the NEBs had greater growth

rates in the +P than the N + P treatments (Fig. 6).

The phytoplankton growth was largely deter-

mined by the magnitude of P, although the

ambient N and P concentrations were different

for the same N:P ratio (Fig. 7). The growth rates

over a wide range of DIN:TDP ratios decreased

with increasing ratio, but the most noticeable

decrease was observed at ratios above 30 (Fig. 7).

The growth rate consistently increased until the P

concentration reached 50 lg l–1 (Fig. 8). The

results plotted using the equation of Monod

(1950) indicated a maximum growth rate of

0.54 day–1 and with a half saturation concentra-

tion of 33.1 lg l–1 for phosphorus. The maximum

growth rate occurred in those treatments enriched

with phosphorus alone or with both phosphorus

and nitrogen. The treatments enriched with only

nitrogen (+N) had lower growth rate, with the

exception of one case during December 2002.

Cyanobacterial growth variation under

different N:P ratios

The magnitude of the cyanobacterial growth

responses showed differences with respect to the

N:P ratios and N concentrations for the same N:P

level. The N:P ratios under 20 displayed large

differences in the growth rate with different

nitrogen concentration (Fig. 9a), with the growth

level tending to increase with increasing nitrogen

concentration (Fig. 9b). The difference in the

growth rates between 0.7 and 3.5 mg N l–1 were

smaller (P = 0.86, ANOVA) than that of the

lowest concentration, 0.07 mg N l–1 (P = 0.001,

ANOVA).

At a constant N:P ratio, but with variable

concentrations of N, the cyanobacteria showed
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different growthpatterns in theNEBs (Fig. 9c). The

growth response reached a maximum at an N

concentration of 3.5 mg l–1 when the N:P ratio in

theNEBswas 1.0. The growth tended to decrease as

the N:P ratio increased (P < 0.01, ANOVA)

(Fig. 9c). A nitrogen concentration at 0.7 mg N l–1

caused the highest algal growth when the N:P ratio

was 0.7 (P < 0.05,ANOVA).The growth rateswere

similar within the N:P ratio range 1–10 (P > 0.5,

ANOVA), while the level of growth tended to

decrease for N:P ratios above 10 (P = 0.009, ANO-

VA) (Fig. 9a). Conversely, the lowest nitrogen

concentration, 0.07 mg N l–1, showed amuch lower

level of growth, especially when the N:P ratio was

smaller than 1. Ratios >7 tended to give greater

phytoplankton growth (P < 0.004, ANOVA)

(Fig. 9c), compared to ratios <1.
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Discussion

As important factors for determining the growth

of phytoplankton, the ambient nutrient concen-

trations and nutrient ratios, known as stoichiom-

etry (e.g., Sterner & Elser, 2002), are being widely

used to estimate the physico-ecological conse-

quences, such as the algal growth and succession

of specific phytoplankton compositions (Goldman

et al., 1979; Tilman, 1982; Sommer, 1989). An

explanation for the mass conservation in aquatic

organisms is that the external nutrient supply

determines the cellular element composition of

algae, which was supported by the earlier seminal

work on stoichiometry (Redfield et al., 1963;

Rhee, 1973) in an oligotrophic ocean and culture

medium. The rules determining the constraints on

stoichiometry; however, have been understood to

vary depending on the organism, feeding mode

and metabolic process (Geider & La Roche, 2002;

Sterner & Elser, 2002; Ho et al., 2003).

A degree of nutrient deficiency and differential

nutrients loading to a lake are also constraints on

the stoichiometric variation and; thus, cause not

only an imbalanced algal growth, but also lead the

development of certain algal populations that

have adapted to that particular situation (Smith

et al., 1987). This implication calls attention to

the need for eutrophic systems to be seen as

having more variable and complicated limiting

nutrients and critical nutrient ratio dynamics

(Terry et al., 1985; Leonardos & Geider, 2004).

Baring this in mind, our main concern in this

study was to elucidate how algal growth (usually

cyanobacteria) in a hypertrophic reservoir re-

sponded to both variations in ambient nutrient

regimes and the N:P ratio in the NEBs in relation

to the ambient N:P ratio.

Our major finding was that the phytoplankton

(mostly cyanobacteria) in our hypertrophic study

reservoir were P-limited and the degree of their

growth in P addition increased with higher N

concentrations added, indicating that at high

nitrogen level, low N:P ratios were favorable for

cyanobacterial development. These results

suggest that phytoplankton in an N-rich environ-

ment appeared to demand a large amount of P

to enable the use of a large supply of both N and

P simultaneously to meet the great biomass
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building. These results also suggest that higher

nitrogen concentration is likely to induce stronger

P-limitation on the phytoplankton growth, and

are supported by the inverse relationship between

the TN:TP ratio and Chl a concentration (r = –

0.7, P < 0.001: Figs. 3, 4). An evident increase in

the growth rate was observed with TN:TP ratios

<30, which was sustained with increases in TDP

up to 50 lg l–1, but reached a plateau thereafter

(Figs. 7, 8).

With respect to the seasonal succession of

phytoplankton, the variation in the N:P ratio

appeared to be related with the cyanobacterial

predominance in the reservoir. Due to the char-

acteristic blooms in lentic systems with human-

induced eutrophication, there have been numer-

ous studies regarding the development of cyano-

bacteria and the interspecific changes of

phytoplankton within eutrophic systems (Smith,

1983; Smith et al., 1987; Xie et al., 2003). The

TN:TP ratios during the cyanobacterial blooms

were 27 ± 6, almost coinciding with the criteria of

Smith (1983), who suggested a high possibility of

cyanobacterial dominance at TN:TP ratios under

29. The phytoplankton growth rate to specific

ambient nutrient concentrations and N:P ratios,

via the nutrient enrichment experiments, suggests

that the level of the nutrient limiting ratios was

frequently found near 30 (Fig. 7), even if the

criteria are still controversial. P limitation was

observed with ratios exceeding this level, but no

N-limitation was detected at ratios below 30. The

possibility of N-limitation was only detectable

under low N concentration conditions, even in the

experiment subjected to the cyanobacteria

(Fig. 9).

The causes of these results were suspected to

be due to the special characteristics of our

reservoir, which maintained much higher nitrogen

than phosphorus levels, as well as DIN:TN ratios

(53%) much higher than those for TDP:TP

(23%). The N:P ratio standard for evaluating

the possibility of potential P and N limitation

would vary in cases where the absolute concen-

trations were different, even though the N:P ratio

would be maintained at the same level. Also, the

eutrophic system where the concentration of N is

much higher than that of P might create the

possibility of N limitation being relatively lower

than that of phosphorus, even with a decreasing

N:P ratio. This result suggests that any standard

for evaluating the limiting nutrient should con-

sider the factors, not only the characteristics of

phytoplankton species (Tilman 1977, 1978; Rhee,

1978), but also the absolute concentration of the

nutrients existing within the aquatic system. A

relative difference in the concentrations of the

nutrients is necessary to endorse the growth of

phytoplankton, rather than simply by their deter-

mination using the relative ratios of the nutrients

in various aquatic systems with various nutrient

stati (Leonardos & Geider, 2004).

Even though a number of studies have sug-

gested the possibility of nitrogen-fixing cyano-

bacteria as the dominant species during periods

of decreased N:P ratio (Horne, 1979; Tilman,

1982; Howarth et al., 1988; Paerl et al., 2001), our

result indicated there was a dominant species

shift, from Aphanozomenon to Microsystis, dur-

ing periods when the N concentration decreased,

and after completing the stratification, it has

been suggested that the nitrogen concentration

may not be the cause of the cyanobacterial

species succession. The level of inorganic N tends

to decrease at a higher rate than that of inorganic

P during the algal growth period in both oligo-

trophic and eutrophic lakes and; thus, the growth

limiting factor could change from P to N during

the stratification period (Hendrey & Welch,

1974). Under this condition, dominant cyanobac-

teria species could succeed to taxa armed with

the ability to fix nitrogen (Horne, 1979; Tilman,

1982; Howarth et al., 1988; Paerl et al., 2001).

However, the nitrogen fixing Apanizomenon

which was observed before establishing the

stratification had shifted to non-N fixing Micro-

cystis during the period of N:P ratio decrease,

which was caused by the drop in the N concen-

tration and the rise in the P concentration after

stratification had been established. Therefore,

phosphorus seemed to be one of the most

substantial factors influencing the dominance of

Microsystis (Xie et al., 2003). Our result is also

supported by Fujimoto & Sudo (1997), who

showed that Microcystis aeruginosa was a supe-

rior competitor under low N:P supply ratio

conditions than the filamentous cyanobacterium,

Phormidium tenue.
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A low phytoplankton growth rate was demon-

strated, even in the experiments with P or N + P

additions between July and October (Fig. 6),

which suggests the physiological property of

phytoplankton needs to be considered when

predicting their growth response, rather than

simply relying on the nutrient concentration and

N:P ratio (Droop, 1968; Rhee & Gotham, 1981).

Due to the luxury of P consumption, cyanobac-

teria could store enough P in the cell, so their

growth would not necessarily rely on the ambient

phosphate concentration (Goldman et al., 1987).

The DIN:DTP ratio in our reservoir between July

and October was in the range 17–37, with the

exception of July (DIN:DTP = 70), and this range

seemed to be comparable to the optimum

DIN:DTP ratio (<30) (Fig. 7) for phytoplankton

growth and; thus, both P and N could function as

potential limiting nutrients. On the other hand,

there could have been an excess amount of

external phosphorus supplied to the phytoplank-

ton with the inflowing discharge around this

period (Table 1). Moreover, after the end of

May, the phosphorus released from the sediment

under hypo-oxic conditions (Kim, 2004) could

have been supplied to the surface by wind

disturbances. Therefore, these phosphorus addi-

tions could have resulted in the low growth rate.

During August and September especially, when

DIP concentration in the water column was at the

maximum seasonal concentration, there had been

a lot of standard precipitation prior to sampling.

The precipitation from June to September ac-

counted for 66% of the total annual precipitation

(1,359 mm) and; thus, this concentrated precipi-

tation may have been responsible for increasing

the discharge and P loading from the watershed.

The increase in the TP concentration with both

decreasing N and Chl a concentrations during this

period may also be reflected by the increase of

inorganic particulate matter.

Considering the mass conservation between an

algal cell and the external nutrient supply, there

should be no problem in using any type of

nutrient for evaluating nutrient limitation (e.g.,

Sterner & Elser, 2002); for example, cellular or

external and inorganic or organic forms. How-

ever, the factors causing variations in the cellular

stoichiometry, such as the physiological status and

the property of nutrient storage in phytoplankton

species, need to be carefully considered to

understand the ecological stoichiometry. The

TN:TP ratios have been most frequently used as

a measure, or criterion, to evaluate cyanobacte-

rial blooms and limiting nutrients (Forsberg &

Ryding, 1980; Smith, 1983; Trimbee & Prepas,

1987; Fujimoto & Sudo, 1997; Sheffer et al., 1997;

Xie et al., 2003). Also, the DIN:DIP (Rhee, 1978;

Patricia et al., 2000), DIN:OP or DIN:TP (Per-

kins & Underwood, 2000) ratios have been

employed as surrogates of the TN:TP ratio for

the assessment of lake conditions. In this study,

the TN:TP ratios were closely related to the

cyanobacterial density and nutrient ratios, which

agreed with the growth response, as based on the

soluble fractions of the DIN:TDP ratios. Even

though organic N could be used for phytoplank-

ton growth in the long run, the DIN content of

our reservoir was 45 times higher than that of the

DIP (less than 8.0 lg l–1), and the average DIP

Table 1 Ambient nutrients, chlorophyll-a (Chl a) and discharge in two inflow streams and the outflow of Shingu Reservoir
between May and October, 2003

Date Inflow 1 Inflow 2 Outflow

Discharge TN TP Discharge TN TP TN TP Chl a
m3 day–1 mg l–1 lg l–1 m3 day–1 mg l–1 lg l–1 mg l–1 lg l–1 lg l–1

30 May – 2.1 ± 0.03 197.7 ± 0.8 – 3.5 ± 0.10 315.8 ± 11.2 – – –
13 Jun. – 6.2 ± 0.17 143.2 ± 2.3 – 7.6 ± 0.08 125.3 ± 9.3 – – –
25 Jul. 3,606 5.8 ± 0.04 94.4 ± 0.8 31,548 2.9 ± 0.17 89.8 ± 0.8 3.2 ± 0.10 134.4 ± 3.0 132.0 ± 4.6
8 Aug. 384 1.6 ± 0.04 74.9 ± 0.7 6,150 2.4 ± 0.12 91.2 ± 0.7 2.9 ± 0.13 86.8 ± 0.7 55.6 ± 2.7
19 Sep. 1,051 1.7 ± 0.25 96.7 ± 0.7 7,833 2.5 ± 0.17 105.3 ± 0.7 – – –
3 Oct. 303 1.4 ± 0.01 94.6 ± 2.8 2,378 2.5 ± 0.06 68.2 ± 2.1 – – –
18 Oct. 370 1.8 ± 0.10 29.1 ± 0.7 2,229 2.5 ± 0.00 84.2 ± 0.7 – – –

–: No inflow or outflow water
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proportion of the total P was 5.8%. Therefore, we

applied the soluble fraction of the TDP, which

included the organic form of phosphorus, for

phytoplankton to use under the environment with

low DIP concentration levels (Islam & Whitton,

1992; Yelloy & Whitton, 1996). The phytoplank-

ton growth in our system had a positive relation-

ship with the dissolved P in the NEBs, which

increased as both the TN:TP (r = 0.596,

P = 0.012, n = 17) and DIN:DTP (r = 0.575,

P = 0.016, n = 17) ratios increased. Thus, our

experimental approach of NEBs, based on the

algal growth response to the nutrient ratio and

ambient nutrients, may be used as a useful tool

for the diagnosis of lake eutrophication and

efficient managements.

To conclude, cyanobacteria dominated in our

hypertrophic study reservoir were P-limited in

most times, and thus their growth rate increased

with P addition. Also the degree of the cyano-

bacterial growth in P addition was magnified with

more N supplied, reflecting that at high nitrogen

level, low N:P ratios were favorable for cyano-

bacterial dominance. Our results suggest that

limiting nutrients and N:P ratio are critical factors

to evaluate the cynaobacterial bloom in eutrophic

systems. However, cyanobacterial bloom events

would be complicated in the ambient condition,

so that some other factors may also be important

to affect it such as temperature, light, and grazing

(Hutchinson, 1957; Reynolds, 1984; Carpenter &

Kitchell, 1993). In the companion study (Kim,

2004), we found that temperature had significant

effect on the maximum growth rate (Umax) of

cyanobacteria between 10 and 25�C (Q10 = 2).

Light was also detrimental to their growth rate,

but the degree of the growth rate by any single

factor of either temperature or light varied with

nutrients. As such, we do not deny the potentials

of other factors to the cyanobacterial bloom in

our reservoir, but, as we found in this study,

limiting nutrients and their stochiometry are

important factors to understand cyanobacterial

dominance in the eutrophic system.
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EUTROPHICATION IN LAKES

Restoration of shallow lakes by nutrient control and
biomanipulation—the successful strategy varies with lake
size and climate
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Abstract Major efforts have been made world-

wide to improve the ecological quality of shallow

lakes by reducing external nutrient loading. These

have often resulted in lower in-lake total phos-

phorus (TP) and decreased chlorophyll a levels in

surface water, reduced phytoplankton biomass

and higher Secchi depth. Internal loading delays

recovery, but in north temperate lakes a new

equilibrium with respect to TP often is reached

after <10–15 years. In comparison, the response

time to reduced nitrogen (N) loading is typically

<5 years. Also increased top-down control may

be important. Fish biomass often declines, and

the percentage of piscivores, the zooplank-

ton:phytoplankton biomass ratio, the contribution

of Daphnia to zooplankton biomass and the

cladoceran size all tend to increase. This holds

for both small and relatively large lakes, for

example, the largest lake in Denmark (40 km2),

shallow Lake Arresø, has responded relatively

rapidly to a ca. 76% loading reduction arising

from nutrient reduction and top-down control.

Some lakes, however, have proven resistant to

loading reductions. To accelerate recovery sev-

eral physico-chemical and biological restoration

methods have been developed for north temper-

ate lakes and used with varying degrees of

success. Biological measures, such as selective

removal of planktivorous fish, stocking of pisciv-

orous fish and implantation or protection of

submerged plants, often are cheap versus tradi-

tional physico-chemical methods and are there-

fore attractive. However, their long-term

effectiveness is uncertain. It is argued that addi-

tional measures beyond loading reduction are less

cost-efficient and often not needed in very large

lakes.
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Although fewer data are available on tropical

lakes these seem to respond to external loading

reductions, an example being Lake Paranoá,

Brazil (38 km2). However, differences in biolog-

ical interactions between cold temperate versus

warm temperate-subtropical-tropical lakes make

transfer of existing biological restoration methods

to warm lakes difficult. Warm lakes often have

prolonged growth seasons with a higher risk of

long-lasting algal blooms and dense floating plant

communities, smaller fish, higher aggregation of

fish in vegetation (leading to loss of zooplankton

refuge), more annual fish cohorts, more omnivo-

rous feeding by fish and less specialist piscivory.

The trophic structures of warm lakes vary mark-

edly, depending on precipitation, continental or

coastal regions locations, lake age and tempera-

ture. Unfortunately, little is known about trophic

dynamics and the role of fish in warm lakes. Since

many warm lakes suffer from eutrophication, new

insights are needed into trophic interactions and

potential lake restoration methods, especially

since eutrophication is expected to increase in

the future owing to economic development and

global warming.

Keywords Lake restoration � Large lakes �
Recovery � Nutrient loading reduction � Climate

Introduction

Efforts in the last 20–30 years have attempted to

combat eutrophication by reducing external phos-

phorus (P) loading in Western Europe and North

America. Sewage and industrial loading has

declined, whereas nutrient input from diffuse

sources often remains high, particularly in coun-

tries with intensive agriculture (Van der Molen &

Portielje, 1999; Kronvang et al., 2005).

Many lakes have responded positively to

nutrient loading reductions (Sas, 1989; Marsden,

1989; Jeppesen et al., 2005c). An analysis of

European and North American lakes based on

35 case studies, including long time-series data,

revealed that, although internal P loading does

delay recovery, new equilibria with respect to

(total phosphorus) TP were reached in most lakes

after <10–15 years, marginally dependent on lake

retention time and depth (Jeppesen et al., 2005c).

In comparison, response times to reduced N

loading are typically <5 years. These findings also

apply to shallow Danish lakes after a reduction in

mainly external P loading (Søndergaard et al.,

2002a, 2005; Jeppesen et al., 2002, 2005a, b). In

these lakes, TP has declined during all seasons,

particularly in winter, followed by spring and

autumn, while weaker effects in late summer can

be ascribed to internal P loading. Changes in

chlorophyll a follow TP, indicating that nutrient

constraints are important in determining seasonal

behaviour. Diatoms declined precipitously in

winter and spring. Non-heterocystous cyanobac-

teria declined throughout the summer, primarily

in early summer, while heterocystous cyanobac-

teria increased in late summer and autumn.

Green algae declined throughout the year but

least so in mid-summer. In Barton Broad, a

shallow lake in the UK, Phillips et al. (2005)

observed a similar pattern with strong effects on

diatoms in spring and a decline first in non-

heterocystous cyanobacteria and secondly, albeit

slower, in heterocystous genera after 15–20 years.

Thus, there is clear evidence for enhanced

resource control of phytoplankton after an exter-

nal loading reduction.

However, enhanced top-down control by zoo-

plankton may also play a role. Fish biomass often

declined in the Danish lakes and the percentage

of piscivores often increased. Similar observations

were made in the study of 35 North American and

European lakes in recovery (Jeppesen et al.,

2005c); in 82% of the lakes for which data were

available, fish biomass declined with TP, while the

piscivore proportion increased in 80% of the

lakes. This is surprising given the high longevity

of the dominant species. While there were no

changes in zooplankton biomass, the contribution

of Daphnia to the biomass and mean individual

biomass of cladocerans increased most notably

during summer. Moreover, the zooplankton:phy-

toplankton biomass ratio, and probably phyto-

plankton grazing, rose. This is suggested also by

the cladoceran size increase. Higher abundance of

large-bodied zooplankton, particularly in sum-

mer, may reflect that increased piscivory leads

to stronger predation control of young-of-the

year (YOY), primarily planktivorous, fish. This
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reduces predation on zooplankton during sum-

mer, when YOY fish are abundant and forage in

the pelagic zone. Enhanced abundance of sub-

merged macrophytes or filamentous algae in some

lakes may also enhance survival of large-bodied

zooplankton as they can serve as a daytime refuge

from predation (Burks et al., 2002).

A north temperate example: recovery of Lake

Arresø, Denmark

The positive response to external nutrient loading

reduction is not restricted to small lakes. Here we

elaborate in more detail on the response of Arresø

to nutrient loading reduction. Arresø (coordi-

nates) is the largest lake in Denmark (40 km2). It

is shallow (mean depth 3.1 m, max depth 5.9 m)

and has a 215 km2 catchment area. The retention

time is long (1.3–10.3 years, mean 1989–2003:

3.5 years) compared with most Danish shallow

lakes. The lake is near the coast and exposed to

prevailing north-westerly winds and, thus, wave-

induced resuspension (Kristensen et al., 1992).

Based on intensive sampling (every 2–8 h) during

different seasons in 1991, and modelling, resus-

pension was calculated to occur 50% of the time

and to reduce Secchi depth to <0.5 m on average

(Kristensen et al., 1992). The lake was loaded

heavily with P and N from the catchment, partic-

ularly P from the upstream city of Hillerød. TP

loading decreased from 0.68 g P m–2 year–1 in

1989 to 0.16 g P m–2 year–1 for 1996–2003, and

TN decreased from 13 to 11 g N m–2 year–1

(Jacobsen et al., 2004). The reduction mostly was

due to improved sewage treatment, establishment

of artificial lakes on the main inlet stream, and

possibly to reduced fertilization in the catchment.

Nutrient load reduction led to substantial

improvements in the lake. TN, TP, chlorophyll a

and the total biomass (and especially of green

algae) of phytoplankton have declined markedly

(Fig. 1). Diatom biomass has tended to increase

with associated effects on silicate concentration,

whereas the trend for cyanobacteria is ambiguous.

Algal biomass changes cannot be ascribed entirely

to enhanced nutrient control, since there have

been marked zooplankton community changes

and potential grazing, most likely due to fish

community changes. Biomasses of the dominant

plankti-benthivorous bream (Abramis brama )

(Fig. 2) and benthic ruffe (Gymnocephalus

cernua) are decreasing, whereas zander (Sander

lucioperca), a potential predator, is increasing,

implying enhanced top-down control on prey fish.

Accordingly, zooplankton biomass and the share

of large-sized cladocerans have increased substan-

tially. This can be explained by reduced predation

pressure on zooplankton, since the algal biomass

was dominated by edible green algae when

biomass was low and the zooplankton were

dominated by small forms. With increased zoo-

plankton biomass the grazing pressure on phyto-

plankton has intensified, and the phytoplankton

face simultaneous, enhanced resource control due

to lower P and N concentrations. Grazing control

is strengthened by the shift to large-sized cladoc-

erans Daphnia hyalina and D. galeata (Fig. 1),

which have broader feeding capabilities than

previously dominant Bosmina spp. and Chydorus

sphaericus. Following the increase in zooplankton

biomass and cladoceran size, and the zooplank-

ton:phytoplankton ratio, water transparency has

improved (Fig. 1), emphasizing the role of en-

hanced grazer control of phytoplankton.

Seasonal phytoplankton biomass reduction and

Secchi depth increases are larger in spring, autumn

and winter than in summer (Fig. 3). This also is

true for the zooplankton:phytoplankton biomass

ratio and cladoceran body mass, suggesting that

changes in grazing pressure are important. The

minor effect in summer coincides with fish larvae

exploiting the pelagic in Danish lakes (Jeppesen

et al., 2004). Moreover, during this period, nitrate

is low (in all years) (Fig. 3), which likely may have

dampened P loading reduction effects.

However, loading still remains too high to

promote a clearwater state with macrophytes,

which prevailed in the 1900’s per paleolimnolog-

ical analyses (Klein, 1989).

Accelerating the recovery of northern

temperate lakes

Positive effects may not occur after nutrient input

reduction. Several lakes have been resistant to

loading reductions and shown slow recovery (Sas,
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1989; Marsden, 1989). For some lakes, this reflects

insufficient nutrient input reduction to promote a

clearwater state. For example, significant and

sustained changes in the biological community

and water transparency of shallow, temperate,

freshwater lakes may not appear unless TP is

reduced below 0.05–0.1 mg P l–1 (Jeppesen et al.,

2000) or, for deep lakes, 0.02–0.03 mg P l–1 (Sas,

1989). Even when P loading has been reduced

sufficiently, resistance to improvement often is

observed. This resistance may be ‘‘chemical’’, P

concentrations remain high due to release from
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the sediment pool accumulated when loading was

high (Søndergaard et al., 2002a). Various meth-

ods have been used to reduce internal P loading

(Cooke et al., 1993; Søndergaard et al., 2002a, b),

including sediment removal and chemical treat-

ment with aluminum or iron salts. In stratified

lakes, oxygen or nitrate injections to the bottom

layer or destabilization of the thermocline have

been used (Cooke, 1993). For large, shallow lakes,

it is debatable whether sediment removal and

chemical treatment are feasible methods. Sedi-

ment removal is expensive, particularly for large

lakes due to transport and disposal. Moreover,

sediment resuspension and redistribution may

hamper removal of the upper, nutrient-rich sed-

iment layers. Resuspension also is a problem with

chemical methods. P bound to aluminum or iron

may return to the water on windy days and

loosely bound P made available to phytoplank-

ton. Finally, the sediment P pool often is small in

large lakes because resuspension leads to washout

of particulate TP (unless hydraulic retention time

is long) and organic net sedimentation is low, the

latter due to high mineralization. Thus, the

usefulness of sediment removal or treatment is

more limited in large than small lakes. The fast

response of Arresø was attained without sediment

removal.

The resistance also may be ‘‘biological’’.

Planktivorous and benthivorous fish contribute

to biological resistance in shallow eutrophic lakes

(Moss, 1990; Scheffer et al., 1993). High fish

predation prevents the appearance of large her-

bivorous zooplankton, which would otherwise

clear the water, and diminishes benthic inverte-

brates, which stabilize and oxidize the sediment.

Moreover, nutrient excretion to overlaying waters

by benthic-feeding fish or fish bioturbation of

surface sediment may play a role (Breukelaar

et al., 1994; Persson, 1997). To overcome biolog-

ical resistance, various fish manipulation methods

have been developed (Benndorf, 1995; Drenner

& Hambright, 1999; Søndergaard et al., 2001).

One method is enhancement of top-down control

of phytoplankton by selective removal of plank-

tivorous fish; a method employed extensively in

the temperate zone, but only just beginning in the

subtropics (Scasso et al., 2001) and other warmer

climate zones, such as Mediterranean arid lakes

(Beklioglu & Tan, personal communication).

Removal of 75–80% of the planktivorous and

benthivorous fish stock over 1–2 years is recom-

mended to avoid regrowth and stimulate growth

of potentially piscivorous perch (Perrow et al.,

1997; Hansson et al., 1998; Meijer et al., 1999).

An alternative or supplementary method to fish

removal is stocking of 0+ pike to control newly

hatched plankti-benthivorous roach and bream

(Prejs et al., 1994; Berg et al., 1997; Skov & Berg,

1999) though the results are ambiguous (C. Skov

et al., unpublished data). Others have stocked

pikeperch, walleye (Stizostedion vitreum) and

largemouth bass (Micropterus salmoides) (Benn-

dorf, 1995; Lathrop et al., 2002). In contrast to

chemical engineering methods, fish manipulation

often is cheap (Jeppesen & Sammalkorpi, 2002)

and therefore attractive, though its long-term

stability is uncertain as a return to a more turbid

state has occurred in many of the lakes. The

reasons for this remain to be elucidated, but
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factors such as reinforced internal loading of P,

return of planktivorous dominance (particularly

roach in Danish lakes) and large year-to-year

variations in the coverage of the submerged

macrophyte community may play a role. How-

ever, in Danish lakes suspended matter remains

lower and Secchi depth higher likely reflecting an

apparent permanent lower bream population

(authors unpublished data).

It is unlikely that fish manipulation will be

feasible for very large lakes (say >500 km2). First,

it is difficult to obtain a ‘sledgehammer’ effect on

the target fish population in very large lakes. The

fish cannot easily be removed fast enough to

compensate for their annual reproductive rate.

Changes in the fish stock may simply become

difficult to discern unless the fishing effort is

substantial. Second, recent studies indicate that

the fish population responds quickly to a nutrient

loading reduction (Jeppesen et al., 2005a, b, c).

This may render fish stock intervention less

attractive in very large lakes as the natural

changes may occur at higher speed than those

invoked by biomanipulation in such lakes. Third,

fish stocking is expensive for large lakes. How-

ever, biomanipulation combined with nutrient

loading reduction has yielded a fast response

(higher transparency, fewer cyanobacteria and in

some cases extensive growth of submerged mac-

rophytes) in medium large lakes, examples being

Lake Vesijärvi, Finland (109 km2), Lake Wold-

erwijd, Holland (27 km2), and Lake Christina,

USA (16 km2) (Hanson & Butler, 1990; Peltonen

et al., 1999; Meijer et al., 1999).

Delay in recovery and re-establishment of

submerged vegetation after nutrient loading

reduction have often been noted (Sas, 1989;

Cooke et al., 1993; Jeppesen & Sammalkorpi,

2002; Jeppesen et al., 2005c). The delay in plant

appearance may be due to lack of seed banks,

waterfowl grazing, limited grazing on periphyton

or too high turbidity (Søndergaard et al., 1996;

Mitchell & Perrow, 1997; Lauridsen et al., 2003).

Construction of exclosures to protect macro-

phytes against waterfowl grazing to improve plant

re-establishment has been used as an alternative

or supplementary restoration tool to fish manip-

ulation (Cooke, 1993; Jeppesen & Sammalkorpi,

2002). The exclosures enable macrophytes to

grow in a grazer-free environment where they

can spread seeds, turions or plant fragments and

thereby augment colonization. Moreover, they

serve as a daytime refuge for zooplankton. Plant

refuges as a restoration tool is probably most

useful in small lakes and in the littoral zone of

other lakes where colonization is restricted to the

near shore areas due to light limitation in the

deeper main lake. Waterfowl aggregate in littoral

emergent zones, which provide shelter and nest

sites, and may impart higher grazing pressure on

plants. Plants as a refuge have greater effect in

nutrient-rich lakes where plant density often is

highest and prey fish are confined to the pelagial

(Jeppesen et al., 1997; Blindow et al., 2000; Burks

et al., 2002). Transplantation or protection of

plants (in sheltered beds) and seeds may be useful

in large shallow lakes if pre-studies reveal that

(re)-colonization is seed-limited (Weisner &

Strand, 2002; Ke & Li, 2006). However, it is

important to evaluate whether wind (wave) dis-

turbance will prevent colonization. In large lakes

effort should be concentrated on sheltered areas

where plants can colonize gradually, as seen in

large (27 km2) Lake Veleuwe (Meijer et al.,

1999).

Warm lakes

Few long-term lake recovery studies after

reduced external loading exist for tropical and

subtropical lakes: here we present an example

from Brazil. Lake Paranoá (15�48¢S, 47�47¢W) is a

shallow, urban, man-made lake (area 38 km2,

mean depth: 13 m, retention time: 0.9 years). It

was created in 1959 for recreational purposes,

hydroelectric power production, to increase the

humidity of the region, as well as to receive

wastewater and run-off from the city of Brasilia.

The first plankton study recorded dominance of

desmids and large-bodied cladocerans (Daphnia

and Ceriodaphnia) (Oliveira & Krau, 1970).

Later, phytoplankton biomass was dominated by

Cylindrospermospsis raciborskii, which remained

dominant in subsequent decades (Cronberg, 1976;

Pinto-Coelho & Giani, 1985; Branco & Senna,

1991). Microcystis aeruginosa blooms occurred

periodically during the end of the dry season
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(Branco & Senna, 1994). Besides the permanent

bloom of filamentous cyanobacteria (C. racibor-

skii), eutrophic conditions were also indicated by

small-bodied zooplankton (mainly rotifers and

small cladocerans, such as Diaphanosoma birgei

and Bosmina spp.), low Secchi depth (<50 cm)

and high levels of nutrients and chlorophyll a

(Branco & Senna, 1996; Branco & Cavalcanti,

1999, Fig. 4). Aquatic macrophytes, such as free-

floating Eichhornia crassipes and Pistia stratiotes,

also spread in some areas. Eleven fish species

colonized the lake from the catchment. In addi-

tion, the lake was stocked with exotic fish species,

such as bluegill sunfish (Lepomis macrochirus),

black-bass (Micropterus salmoides), carp (Cypri-

nus carpio), Congo (Tilapia rendalli) and Nile

(Oreochromis niloticus) tilapias, and the piscivo-

rous tucunaré (Cichla ocellaris) from the Amazon

Basin (Ribeiro et al., 2001). In the late 1980s,

tilapia dominated and accounted for 50% of total

fish biomass. In subsequent years, the lake was

stocked with tambaqui (Colossoma macropo-

mum) and tamoatá (Callychthys callychthys),

both from the Amazon Basin and with high

commercial value.

In 1993–1994, two tertiary sewage treatment

plants capable of processing 2,400 l s–1 were

constructed in addition to a complementary

sewage collecting system. Resultant decrease in

external point-source of TP loading, from

6.3 g m–2 year–1 in 1989 to 0.48 g m–2 year–1 in

1998 (Pereira & Cavalcanti, 1997; Burnett et al.,

2001), led to decreased mean TP, and also total

Kjeldahl nitrogen (TKN) loading and concentra-

tion decreased (Fig. 4). Chlorophyll a values

decreased (Fig. 4), and Secchi depth attained

2.4 m in 1999. Important planktonic community

level changes were observed from 1996 to 1999:

(1) decreased cyanobacteria dominance and

replacement of C. raciborskii by green algae and

diatoms by late 1998; (2) short-term dominance

of colonial floating green algae (Botryococcus

braunii), replacing M. aeruginosa in some hyper-

trophic areas in 1996; (3) re-appearance of

Ceriodaphnia cornuta, Daphnia gessneri, other

small cladocerans, such as Moina micrura and

Bosminopsis deitersi (Elmoor-Loureiro et al.,

2004), and Notodiaptomus cearensis, an oligo-

trophic calanoid copepod species (Padovesi-

Fonseca et al., 2001). Other strategies, such as

reducing the retention time of the lake and fish

population management, were used to generate

further improvements. An echo-sounding cam-

paign in 1998 revealed a fish stock of 1,500 tons,

with tilapia constituting up to 90% of fish

biomass. Laboratory studies on fish feeding rates

on lake plankton and P excretion rates, plus an

assessment of planktivorous fish impacts in enclo-

sures, indicated that tilapia overpopulation con-

trol would prevent accumulated P from being

available to primary production, especially due to

bottom feeding (Starling, 1993a, b; Starling &

Rocha, 1990). Tilapia control was initiated in the

most eutrophicated region by legalizing commer-

cial cast-net fisheries. Continuous improvement

of lake environmental conditions was confirmed in

early 2000 by lower chlorophyll a values,

enhanced water transparency, and decreased fish
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biomass to 800 tons. Tilapia dominance declined,

allowing recovery of a heterogeneous fish popu-

lation, including native omnivores and piscivores,

and some exotic species, all of which contributed

to enhancement of large zooplankton populations.

Trophic dynamics and biomanipulation
in warm lakes

While results from Lake Paranoá illustrate the

importance of reducing external loading to

restore subtropical and tropical lakes, it is difficult

to evaluate effects of fish manipulations in the

lake. It is debatable whether fish manipulation

methods used in cold temperate lakes can be

employed in warm temperate, subtropical and

tropical lakes. Several factors indicate that fish

stock manipulation may not have the same

positive effects in warm lakes (Moss et al., 2004;

Jeppesen et al., 2005d): (a) fish species richness

often is higher and many fish show partial niche

overlap, which should increase predator control

of prey (Lazzaro, 1997; Aguiaro & Caramaschi,

1998); (b) fish stocks often are dominated by

omnivores independent of trophic state (Lazzaro,

1997; Branco et al., 1997; Yafe et al., 2002;

Blanco et al., 2003; Mazzeo et al., unpublished

data) and generally few piscivores are present

(Quirós, 1998); (c) fish density, but not necessarily

biomass, is higher (1–2 orders of magnitude)

(Scasso et al., 2001; Aguiaro et al., 2003; Mazzeo

et al., 2003; Meerhoff et al., 2003); (d) fish repro-

duction occurs throughout the year (Fernando,

1994; Paugy & Lévêque, 1999) and many species

are viviparous and/or show parental care (Lorier

& Berois, 1995), assuring higher juvenile survival

rates. Therefore, top-down control by piscivores

probably is weaker in warm lakes. Since small fish

are more zooplanktivorous and have higher

energy demand per unit biomass (Kalff, 2002),

small fish in high abundance leads to higher

predation pressure on zooplankton.

Accordingly, zooplankton communities in

tropical and subtropical lakes often are domi-

nated by small cladocerans (i.e. Diaphanosoma,

Ceriodaphnia and Bosmina), rotifers, and cope-

pod juveniles and nauplii (Dumont, 1994; Lewis,

1996; Branco et al., 2002; Garcia et al., 2002;

Lacerot et al., unpublished data). Large Daphnia

spp. may appear in early spring and autumn in

warm-temperate lakes (Romo et al., 2005) or, if

fish are absent, for longer periods in subtropical

lakes (Mazzeo et al., unpublished data). Omniv-

orous copepods usually dominate zooplankton

biomass in oligo-mesotrophic systems, whereas

microzooplankton prevail in eutrophic systems.

Therefore, classic control of phytoplankton by

large zooplankton usually is not found in warm

lakes. However, the numerous microzooplankton

in these systems may control nanophytoplankton,

thus favouring larger cyanobacteria. Some works

demonstrate that cyclopoid copepods can control

diatoms, rotifers can graze small green algae, and

particulate matter and associated bacteria is an

important food resource for zooplankters in trop-

ical lakes (Infante, 1978; González et al., 2005).

The zooplanktivorous phantom midge Chaoborus

also seems to be more abundant in tropical lakes

(e.g. Aguilera & Goitia, 1999), perhaps because

bottom water anoxia is more common, which may

provide Chaoborus with a fish predation refuge

(Lewis, 1996) and allow strong predation pressure

on zooplankton (Arcifa et al., 1992). Finally,

shrimps (e.g. Palaemonetes argentinus or Macrob-

rachium borelli) also can be important predators

on zooplankton considering their high abundance,

food preferences and several reproductive events

from spring to summer (Boschi, 1981; Collins,

1999; Collins & Paggi, 1998).

Aquatic plants play an important structural

role in most freshwater ecosystems (Moss, 1990;

Scheffer et al., 1993), also in the tropics (Thomaz

& Bini, 2003). In temperate nutrient-rich lakes,

submerged plants act as daytime refuges for

zooplankton against fish predators (Timms &

Moss, 1984; Lauridsen et al., 1996; Burks et al.,

2002). At night, large zooplankton move out to

the open water to feed, thereby contributing to

clearwater conditions in lakes with high macro-

phyte coverage (Jeppesen et al., 1997). However,

in the tropics and subtropics, effects of macro-

phytes on trophic interactions are more complex,

since all forms (i.e. emergent, submerged, float-

ing-leaved and large free-floating species) can be

prominent. Macrophytes are extremely important

to fish in the tropics and subtropics. Removal of

Chara spp. beds in an Itaipú reservoir resort
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(Santa Helena, Brazil) with the purpose to

decrease piranha (Serrassalmus marginatus) pop-

ulation led to decreased fish abundance and

species richness from 25 to 10 species (Agostinho

et al., 2003; Fig. 5). Studies comparing different

habitats in tropical and subtropical lakes indicate

that the smallest fish species and individuals

aggregate in all vegetation forms (Conrow et al.,

1990; Meschiatti et al., 2000; Meerhoff et al.,

2003; Meerhoff et al. unpublished data). Densi-

ties above 140 ind m–2 of a single, small-sized

species were found in submerged plant beds in a

subtropical lake (Meerhoff et al., 2003). There-

fore, submerged vegetation in warm lakes may be

a poor refuge for large-bodied zooplankton,

particularly cladocerans (Meerhoff et al., 2003,

2006). An inverse diel horizontal migration

pattern (aggregating in the pelagial during day

and among plants at night) was found for

Bosmina longirostris and Diaphanosoma birgei

during spring and autumn in a subtropical lake

without piscivores (Lake Blanca, Uruguay; Igle-

sias et al., 2007). The preference of small omniv-

orous fish for emergent and submerged plant beds

during day and the occurrence of Chaoborus in

the pelagic at night determined the spatial distri-

bution observed. In accordance with the sugges-

tion of a poor refuge effect for zooplankton in

warm lakes, no positive effect of plants on water

clarity was found in nutrient-rich subtropical

lakes in Florida, and nutrient rich lakes with high

plant biomass often were turbid (Bachmann

et al., 2002).

Considering the higher fish density in tropical

systems and lack of refuges for zooplankton

among macrophytes, fish biomass thresholds

allowing major grazing pressure by zooplankton

may be lower and fish reductions therefore have

to be very large compared to temperate lakes to

allow large-bodied grazers, like Daphnia spp, to

dominate (Scasso et al., 2001; Mazzeo et al.,

unpublished data). The efficiency of decreasing

planktivorous fish biomass by fish removal is

further hampered by continuous and/or vivipa-

rous reproduction in many (sub)tropical species

(Scasso et al., 2001 and Fig. 6). Therefore, it may

be more difficult to provoke and maintain a

trophic cascade effect in subtropical and tropical

lakes than in temperate lakes. Accordingly,

positive, but only short-term, cascading effects

of a massive (>80%) fish kill (due to fungal

infection) of the dominant planktivorous mos-

quito fish (Gambusia affinis) were found in Lake

Naini Tal, India (Nagdali & Gupta, 2002).

Zooplankton abundance increased, phytoplank-

ton biomass and productivity declined, as did
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Astyanax altiparanae
Galeocharax knerii
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Fig. 5 Specific
composition of fish
assemblages in Santa
Helena, Itaipú Reservoir
(Paraná, Brazil) before
(1987) and after (1988) a
substantial removal of
submerged macrophytes.
Reproduced with kind
permission from
Agostinho et al. (2003)
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nutrient concentrations, resulting in higher water

transparency. However, four months later, mos-

quito fish, plankton and nutrients had returned to

previous levels.

In subtropical and tropical lakes, stocking of

herbivorous silver carp (Hypophthalmus molitrix)

has, with some success, been used to combat

potentially toxic cyanobacteria (Starling et al.,

1998; Datta & Jana, 1998). However, silver carp

also consume zooplankton (Wu et al., 1997;

Starling et al., 1998; Xu & Zie, 2004), which

reduces grazing on small-sized phytoplankton.

Therefore, it is unlikely that silver carp stocking,

which is a symptom treatment rather than a

restoration, will lead to a shift to a clear,

macrophyte dominated stage (Matyas et al.,

2003). Introduction of strictly piscivorous fish

might be the only efficient biomanipulation strat-

egy in (sub)tropical regions to control planktivo-

rous fish. Ongoing mesocosm experiments using

the sit-and-wait piscivore tararira (Hoplias mala-

baricus) support this hypothesis (Mazzeo et al.,

unpublished), but clearly more experiments are

needed in this field before any firm conclusions

can be drawn.

However, it is important to notice that trophic

structure varies among warm lakes, depending on

whether they are situated in wet or dry regions

and temporal variations in temperature and

salinity, and this may have implications on the

restoration strategy as well. For example, tropical

lakes are particularly sensitive to hydrological

changes, which strongly affect their structure and

functioning. In Cochabamba, Bolivia (17�S),
switches from phytoplankton to macrophyte

dominance in Lake Alalay have been associated

to an increase in water level (Cadima, 1997).

Higher densities and richness of zooplankton and

fish were found during the low water season in

several shallow lakes in Bolivia (Pouilly et al.,

1999; Rejas & Maldonado, 2000). Water level

changes also have strong effects on macrophyte

abundance and water clarity in Turkish lakes

(Beklioglu et al., 2003). These lakes, as well as

northern Greek lakes, are, though warm in

summer, subjected to cold winters, leading to a

mixed fish community, often with low species

richness compared to the subtropical and tropical

lakes, and dominance of northern species (Bek-

lioglu et al., 2003; Zalidis et al., 2002). These form

an intermediate state between the north temper-

ate lakes and winter warm temperate lakes and

the subtropical/tropical lakes, which have to be

taken into account when planning lake restora-

tion (Beklioglu et al., 2003; Beklioglu & Tan,

personal communication). Likewise, saline lakes

are typically species poor (Williams, 1998) and,

like in the subtropical lakes, submerged macro-

phytes appear to have little effect on water clarity

in saline lakes (Moss, 1994a; Jeppesen et al.,

1994) and form special cases.

In many experiments in temperate lakes,

improvement in environmental state was ob-

served without a trophic cascade after biomanip-

ulation, i.e. without zooplankton species

composition changes towards dominance of

large-sized individuals and, consequently, higher

phytoplankton grazing (Horppila et al., 1998).

However, reductions in cyanobacteria and TP

were observed, and water clarity increased. These

phenomena may be due to reduced sediment P

release and fish foraging following biomanipula-

tion (Horppila et al., 1998). Biomanipulation also

may reduce sediment nutrient release in tropical

lakes, but the dominance of small fish species and

better growth conditions for cyanobacteria sug-

gest that effects may be temporary. Other meth-

ods, such as the combined use of aquatic plant

harvests (mostly free-floating, if present) and

Fig. 6 Changes in the biomass of nekton at the beginning
(black) and end (white) of summer 2003 in biomanipulated
Lake Rodó (Uruguay) after an intensive programme of
planktivorous fish removal. The biomanipulation had no
effect on shrimps (Paleomonetes argentinus, PA) and
viviparous fish, such as Cnesterodon decemmaculatus
(CD) and Jenynsia multidentata (JM), while effective on
the short-term for oviparous species: Gymnogeophagus
rhabdotus (GR), Astyanas sp (AS) and Cheirodon inter-
ruptus (CHI). Moreover, no effect was observed on total
fish biomass (from F. Quintans, unpublished data)
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hydraulic management, can be useful, though

insufficient, for restoring small, shallow lakes in

warm regions by decreasing internal nutrient

loads (Rodrı́guez-Gallego et al., 2004). Sediment

removal might be more attractive in such lakes,

since P-content per unit volume of sediment

exceeds that in the water column and plants

(Søndergaard et al., 2003). However, drastic

reduction of external nutrient loading seems to

be the best method for restoring small or large

subtropical and tropical lakes, but the scientific

basis (e.g. nutrient threshold levels) to make

decisions remains limited. Focus may well have to

be on reducing external N loading as nitrogen has

often been found to be the limiting nutrient for

phytoplankton growth in tropical lakes (Lewis,

1996). Focus on nitrogen, in addition to phospho-

rus, is also relevant for temperate shallow lakes,

as recent studies indicate that submerged macro-

phyte recovery after loading reduction is more

likely to occur at moderately high TP when TN

loading is low (Moss et al., 1994b; González

Sagrario et al., 2005; James et al., 2005; Jeppesen

et al., 2005b).

Conclusions

For small and large shallow lakes, the best strategy

for improving the environmental state is external

nutrient loading reduction. Like small lakes, large

shallow lakes also may respond strongly and

quickly to loading reduction. For smaller lakes

resistant to nutrient loading reduction, physico-

chemical and biological methods may enhance

recovery. However, these methods are unlikely to

be feasible in large shallow lakes. Sediment

removal and chemical treatment, in particular,

are less attractive because: (a) sediment transport

and storage on land (if removed) will be expen-

sive; (b) there is a large risk of sediment redistri-

bution from resuspension; (c) the sediment P pool

often is relatively small in large lakes. Fish

manipulation also may be impractical because:

(a) the large size makes it difficult to obtain a

strong effect on the target fish population; and (b)

fish population is among the first to respond to

nutrient loading reduction, and natural changes in

fish stock become difficult to discern in large lakes.

If needed, transplantation/protection of aquatic

plants (in sheltered beds) and seeds may be useful

in large shallow lakes, the latter if pre-studies

reveal that (re)-colonization is seed-limited.

However, it is important first to evaluate whether

wind (wave) disturbance will prevent colonization

where seeds or plants are added.

Differences in biological interactions in cold

temperate versus warm temperate-subtropical-

tropical lakes make it difficult to apply biological

restoration methods to warm lakes. Warm lakes

often have prolonged growth seasons with a

larger risk of long-lasting algal blooming and

dense floating plant communities, higher domi-

nance and abundance of small fish, higher fish

aggregation in vegetation (loss of zooplankton

refuge), more fish cohorts per year, and more

omnivory by fish and less specialist piscivory.

However, trophic structure varies among these

lakes, depending on whether they are situated in

wet or dry regions and temporal variations in

temperature and salinity and this have implica-

tion for the restoration strategy.
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elucidation of the Paranoá Lake (Brası́lia, Brazil)
problem: Cylindrospermopsis raciborskii. Bulletin du
Jardin Botanique National de Belgique 61: 85–91.

Branco, C. W. C. & P. A. C. Senna, 1994. Factors
influencing the development of Cylindrospermopsis
raciborskii and Microcystis aeruginosa in Paranoá
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Rodó & E. Jeppesen, 2007. Horizontal dynamics of
zooplankton in subtropical Lake Blanca (Uruguay)
hosting multiple zooplankton predators and aquatic
plant refuges. Hydrobiologia DOI 10.1007/s10750-
007-0599-4 (in press).

Infante, A., 1978. Natural food of herbivorous zooplank-
ton of lake Valencia (Venezuela). Archiv Hydrobio-
logia 82: 347–358.

Jacobsen, B. A., R. S. Hansen, B. Moeslund, E. Jørgensen
& G. Jensen, 2004. Arresø-tilstand og udvikling 2003.
Report from Frederiksborg Amt, Teknik og Miljø,
Denmark, 115 pp.

James, C., J. Fisher, V. Russell, S. Collings & B. Moss,
2005. Nitrate availability and plant species richness:
implications for management of freshwater lakes.
Freshwater Biology 50: 1049–1063.

Jeppesen, E., M. Søndergaard, E. Kanstrup, B. Petersen, R.
B. Henriksen, M. Hammershøj, E. Mortensen, J. P.
Jensen & A. Have, 1994. Does the impact of nutrients
on the biological structure and function of brackish and
freshwater lakes differ? Hydrobiologia 275/276: 15–30.

Jeppesen, E., T. L. Lauridsen, T. Kairesalo & M. Perrow,
1997. Impact of submerged macrophytes on fish-

zooplankton relationships in lakes. In Jeppesen, E.,
Ma. Søndergaard, Mo. Søndergaard & K. Christof-
fersen (eds), The Structuring Role of Submerged
Macrophytes in Lakes. Ecological Studies, Vol. 131,
Springer Verlag, 91–115.

Jeppesen, E., J. P. Jensen, M. Søndergaard, T. Lauridsen &
F. Landkildehus, 2000. Trophic structure, species
richness and biodiversity in Danish lakes: changes
along a phosphorus gradient. Freshwater Biology 45:
201–213.

Jeppesen, E. & I. Sammalkorpi, 2002. Lakes. In Perrow,
M. & T. Davy (eds), Handbook of Restoration
Ecology, Chapter 14, Cambridge University Press,
297–324.

Jeppesen, E., J. P. Jensen & M. Søndergaard, 2002.
Response of phytoplankton, zooplankton and fish to
re-oligotrophication: an 11-year study of 23 Danish
lakes. Aquatic Ecosystem Health & Management 5:
31–43.

Jeppesen, E., J. P. Jensen, M. Søndergaard, M. Fenger-
Grøn, K. Sandby, P. Hald, Møller & U. H. Rasmus-
sen, 2004. Does fish predation influence zooplankton
community structure and grazing during winter in
north-temperate lakes? Freshwater Biology 49: 432–
447.

Jeppesen, E., J. P. Jensen, M. Søndergaard & T. Lauridsen,
2005a. Response of fish and plankton to nutrient
loading reduction in 8 shallow Danish lakes with
special emphasis on seasonal dynamics. Freshwater
Biology 50: 1616–1627.

Jeppesen, E., M. Søndergaard, J. P. Jensen, T. Lauridsen,
L. Liboriussen, R. Bjerring Hansen, L. S. Johansson &
F. Landkildehus, 2005b. The response of north tem-
perate lakes to reduced nutrient loading with special
emphasis on shallow Danish lakes. Verhandlungen
der Internationale Vereinigung der Limnologie 29:
115–122.

Jeppesen, E., M. Søndergaard, J. P. Jensen, K. Havens, O.
Anneville, L. Carvalho, M. F. Coveney, R. Deneke,
M. T. Dokulil, B. Foy, D. Gerdeaux, S. E. Hampton,
S. Hilt, K. Kangur, J. Köhler, E. Lammens, T. L.
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Paranoá Reservoir (Brası́lia, Brazil): a mesocosm
experiment. Hydrobiologia 257: 143–152.

Starling, F. L. R. M., 1993b. Análise experimental dos
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EUTROPHICATION IN LAKES

Dredging effects on P status and phytoplankton density and
composition during winter and spring in Lake Taihu, China
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Abstract Phytoplankton density and composi-

tion, together with phosphorus (P) concentrations

and size-fractionated alkaline phosphatase activ-

ity (APA), were investigated in dredged and

undredged zones in Lake Taihu from January to

April 2004. P concentrations were also deter-

mined in the corresponding interstitial water.

Enzyme Labeled Fluorescence (ELF) was used

for localizing extracellular phosphatase on phy-

toplankton cell membranes in April. The increase

in phytoplankton density was paralleled by a

significant increase in soluble reactive P (SRP)

concentrations in the water column and intersti-

tial water at all sites from January to April, with

chlorophyte gradually becoming dominant. In

February, at the undredged site, more algae

dominated by chlorophyte occurred in overlying

water, rather than in the surface, coinciding with

higher SRP concentrations in overlying and

interstitial water. Therefore, P status in the

bottom is important to phytoplankton develop-

ment in terms of density and composition. Undr-

edged sites had higher SRP concentrations in

interstitial water than dredged sites. Furthermore,

Higher APA was observed, accompanied by

higher dissolved organic P (DOP) and lower total

P at the undredged site in February. Enzymatic

hydrolysis of DOP may have been an additional

source of P for phytoplankton. In April, Schro-

ederia sp. was ELF labeled in surface water at the

dredged site, which showed markedly lower SRP

concentration, but not at the undredged site with

higher SRP concentration. Thus, the dredging

might regulate algal density and composition in

water column by reducing P bioavailability.

Keywords Phytoplankton � Phosphorus �
Alkaline phosphatase � ELF � Sediment

dredging � Shallow lakes � Eutrophication

Introduction

One symptom of lake eutrophication is an excess

phytoplankton growth, which is controlled by

various factors. Besides light and temperature,

phytoplankton requires a wide range of inorganic

nutrients for growth. These include potentially

growth-limiting nutrients, such as carbon dioxide,

nitrogen, phosphorus (P), and silicon. Phosphorus

is the most commonly limiting nutrient in oligo-

trophic freshwaters (Graham & Wilcox, 2000).

However, high phosphorus loading complicates

the situation in eutrophicated waters. Lake
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recovery often is delayed after external loading

reductions due to internal P load (Jeppesen et al.,

1990). Phosphorus release from the sediment into

the lake water may be so intense and persistent

that it may substantially increases the bioavail-

able P pool and consequently also the algal

biomass (Knuttila et al., 1994). Dredging to

remove surface sediment is widely used to reduce

the internal loading, but its effects on phyto-

plankton are still equivocal. Cell counts and

chlorophyll a concentrations suggest that after

sediment removal, phytoplankton quantity may

remain virtually unchanged compared with the

period before sediment removal (Poulickova

et al., 1998), while the eutrophic Lake Trummen

(Sweden) was restored by removal of the upper

most 0.5 m nutrient-rich sediment layer by suc-

tion dredging, which drastically reduced nutrient

concentrations and phytoplankton biomass

(Cronberg, 1982).

Phytoplankton can take up only inorganic

orthophosphate (Overbeck, 1991). However, an

important indirect source is dissolved organic

phosphorus (DOP) after hydrolysis with extracel-

lular phosphatase. Phytoplankton may adapt to P

limitation by changing species composition and/or

increasing alkaline phosphatase activity (APA;

Vrba et al., 1993). A method known as ELF

(enzyme labeled fluorescence; Gonzáles-Gil et al.,

1998), allows for phosphatase labeling and direct

microscopic detection. The product of ELF-

phosphate hydrolysis can fluorescently tag indi-

vidual algal cells at or near the fixed enzymatic

activity sites (Rengefors et al., 2001).

A comparative study was conducted at dredged

and undredged sites in Lake Taihu from January

to April 2004. The objective of this study was to

investigate the dredging effects on P status and

phytoplankton density and composition concern-

ing a large, eutrophic, shallow Chinese lake. We

investigated the fluctuations of phytoplankton in

terms of density and composition, coupled with

phosphorus concentrations and phosphatase

activities in the water column. ELF was used to

localize extracellular phosphatase on algal cells,

and P concentrations were determined in inter-

stitial water.

Materials and methods

Study site and sampling

The common description of Lake Taihu was given

elsewhere (Qin et al., 2006). Dredging was carried

Fig. 1 The map of
sampling sites
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out to remove the surface sediment in order to

improve the water quality in 2003–2004. Three

sampling sites (Fig. 1), Site A (31�32¢4.6† N,

120�13¢22.6† E) and Site B (31�32¢1.7† N,

120�13¢18.7† E) located in Wuli Bay area and Site

C (31�31¢32.3† N, 120�12¢37.6† E) located in the

main embayment (Meiliang Bay) were sampled in

January, 2004. Site A was dredged before sam-

pling, Site B was sampled before dredging in

January and after dredging in February and April,

and Site C was undredged. Water samples were

collected with a Friedinger sampler at the surface

and in the water layer overlying the sediment.

Phytoplankton samples (1 l) were preserved

immediately with Lugol’s iodine solution. Another

liter of water was taken for P and phosphatase

analysis. Sediment was collected using a Peterson

dredge. Interstitial water was extracted from the

sediment by centrifugation at 3,000 rpm for

30 min.

Phytoplankton density

Preserved phytoplankton samples in the surface

and overlying water were concentrated to 30 ml

after sedimentation for one week. After mixing,

0.1 ml concentrated samples were counted di-

rectly using a Zeiss microscope at ·640 magnifi-

cation. Phytoplankton species were identified

according to Hu et al. (1979).

P concentration

Total P (TP), dissolved total P (DTP) and

soluble reactive phosphorus (SRP) were deter-

mined in the surface, overlying and sediment

interstitial water. TP was determined following

digestion according to Golterman et al. (1978).

Phosphorus compounds were hydrolysed by

H2SO4 and K2S2O8 to orthophosphate, which

was then determined after Murphy and Riley

(1962). 0.5 ml H2SO4 and 1 g K2S2O8 were

added to 50 ml samples. Flasks were covered

with an inverted beaker and autoclaved at

120�C for 2 h. DTP was determined using water

samples filtered through a 0.45 lm membrane

filters (Millipore) using the same procedure.

SRP was determined according to Murphy &

Riley (1962). DOP was calculated as follows:

DOP = DTP-SRP.

Phosphatase activity and microscopic

phosphatase detection

Extracellular alkaline phosphatase activity

(APA) in the water samples was determined

using a procedure modified from Gage and

Gorham (1985) and Boon (1989). Triplicate

5 ml water samples were supplied with Tris–

HCl buffer (pH = 8.5, final concentration

13 mmol l–1), Na3N (final concentration

5 mmol l–1), and p-nitrophenyl phosphate

(pNPP, final concentration 0.3 mmol l–1), and

incubated at 37�C for 4 h. Absorbency of

p-nitrophenol was measured spectrophotometri-

cally at 410 nm. APA was determined in unfil-

tered samples (APAT) and in samples filtered

through 3 lm and 0.45 lm membrane filters

(APA<3 and APA<0.45, respectively). The con-

tribution of APA to the coarser (APA>3) and

finer (APA0.45–3) fractions were calculated as

follows: APA>3 = APAT – APA<3, APA0.45–3 =

APA<3 – APA<0.45 (Chróst et al., 1984).

ELF 97 phosphate (ELFP, Molecular Probes)

used for microscopic detection of extracellular

PA in the phytoplankton according to the

protocol by Štrojsová et al. (2003). Incubations

started by adding the ELFP solution (final

concentration 27 lmol l–1), and samples were

incubated at room temperature for 2–4 h. Each

incubation was terminated by transferring the

sample to a filter holder (diameter 7 or 10 mm,

depending on phytoplankton density) with a

membrane filter (Millipore; 0.45 lm pore size)

and immediate filtering with a mild vacuum

(<20 kPa). The filter with retained plankton was

placed on a microscope slide, embedded with

anti-fading reagent (Citifluor AF1, London,

UK), and covered with a cover slip. To inspect

phytoplankton for presence of ELFA precipi-

tates, an epifluorescence microscopy (Carl Zeiss

Axioskop 40FL; Olympus AX-70) with UV-

excitation was used. For more details, see

Štrojsová et al. (2003) and Nedoma et al.

(2003).
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Results

Variations in P forms

SRP concentration gradually increased both in

surface and overlying water from January to

April. The same trend was found in interstitial

water in February and April (Fig. 2). TP concen-

tration in interstitial water was significantly high-

er than that in the water column, and, for SRP,

interstitial water always showed higher values

than overlying water (Figs. 2, 3). In January, Site

B (undredged) had significantly (p < 0.01) higher

SRP concentrations in interstitial water than Site

A (dredged). In February and April, the undr-

edged site (Site C) also showed significantly

(p < 0.05 in February and p < 0.01 in April)

higher SRP values in both interstitial and over-

lying waters than dredged sites (Site A and B,

which was dredged after January). In February,

Site C had the highest TP concentration in

interstitial water and DOP concentration in

Fig. 2 Seasonal fluctuations of SRP concentrations in surface, overlying and interstitial water of all sampling sites
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Fig. 3 Concentrations of different forms of P at all sampling sites in February
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surface water among all the sites (Fig. 3). Fur-

thermore, Site A showed the highest SRP among

the sampling sites in January and February and

Site B the highest in April in surface water. For

overlying water, Site C had the highest SRP in

February and April.

Variations in phytoplankton density and

composition

Phytoplankton density gradually increased in

surface waters during study period at all sampling

sites (Table 1). The same trend was observed in

overlying water except at Site C. Algal density

was higher in surface water than in overlying

water except at Sites B and C in February.

Overlying water at Site C had higher phytoplank-

ton density, especially of green algal cells, than

surface water in February. Surface water was

richer in algal species in April, while it showed

similar species numbers to those in overlying

water in February. In surface water, Site A

showed the highest algal density among the

sampling sites in January and February, and Site

B had the highest in April. For overlying water,

Site C showed the highest value in February and

Site B in April, especially in green algae both in

density and diversity.

Cryptophytes dominated the phytoplankton

assemblage from January to April at Sites A

and B, but not at Site C, in surface water.

Diatoms were present but were not abundant.

Green algae began to appear in February and

increased markedly in April at all sites. Few

cyanobacteria were found in April at Sites B and

C. Similar changes were found in overlying water

in February, while more green algae were

observed in surface water than in overlying water

in April. In overlying water at Site C, green algae

(Coelastrum sp.) were very abundant.

Extracellular phosphatase activity

The contribution of the coarser (APA>3.0) frac-

tion, conventionally taken as ‘‘algal’’ APA to

total APA was always over 49% (Fig. 4). No clear

trend was found in the relationship between total

APA and P concentrations, but an inverse rela-

tionship was observed in February. With the

highest TP, Site A showed the lowest total APA

in surface and overlying water, while the highest

total APA was associated with the lowest TP in

surface water at Site C. Algae excreted mem-

brane bound phosphatase, as evidenced by ELFA

at Sites A and C in surface water in April. A

green alga Schroederia sp. present, but not dom-

inant at Sites A and C in February and April was

ELFA-labeled at Site A. Even so, not all cells

were ELF positive. For all the labeled cells,

ELFA precipitated on the membrane of the algae

in a linear pattern around the whole cell. No

labeled cells of this same species were observed at

Site C, where SRP concentration in surface water

was higher relative to that at Site A.

Discussion

Phytoplankton development is influenced by sev-

eral factors, e.g., light intensity, water tempera-

ture, nutrient concentrations and herbivore

grazing (Graham & Wilcox, 2000). Others have

reported green algae becoming abundant with

increasing water temperature (Robert et al.,

2003). In Lake Taihu, algal density increased

with temperature, and green algae were abundant

in April at all sites. Major shifts in species

composition of benthic algae did not result from

nutrient additions but seemed to be related to

light penetration and Dreissena herbivory in

Saginaw Bay, Lake Huron (Pillsbury et al.,

2002). At all sites in Lake Taihu, algal density

Table 1 Algal density in surface and overlying water during the study period for all sampling sites (106 ind l–1)

A surface A overlying B surface B overlying C surface C overlying

Jan. Feb. Apr. Feb. Apr. Jan. Feb. Apr. Feb. Apr. Feb. Apr. Feb. Apr.

Density 4.25 5.55 7.3 2.13 4.2 2.65 3.69 15.6 4.09 6.43 4.27 8.06 5.64 3.41
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was higher in surface versus overlying water

indicating that light might act as an important

factor affecting growth.

SRP appears to have been important in phy-

toplankton development. From January to April,

an increase in bioavailable phosphorus (SRP) was

observed at all sites. Following the increase in

SRP, water column algae cell counts increased.

Higher SRP was accompanied by higher algal

density at Site A in January and February and

Site B in April. PO4-P is a major factor in

phytoplankton biomass and development else-

where (Karjalainen et al., 1997–1998; Levine &

Whalen, 2001). In a subtropical wetland, algal

species composition was more sensitive to P

concentration than algal biomass (Pan et al.,

2000). In the present study, SRP increased from

January to April, and algal composition changed.

Green algae occurred in February and became

prevalent in April, with cyanobacteria occurring

as well. Algal biomass increased after nutrient

addition and chlorophytes replaced chrysophytes

as the dominant phytoplankton group in another

study (Lessmann et al., 2003). In Lake Greifensee
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(Switzerland), although total biomass values of

phytoplankton did not show any correlation with

the long-term decline of phosphorus concentra-

tions, the composition of phytoplankton showed

clear trends. During the period with Total P

concentrations of >0.25 mg l–1, phytoplankton

biomass was dominated by chlorophytes and

cryptomonads. With declining P load, chloro-

phytes and dinoflagellates decreased (Buergi

et al., 2003). Overall, in Lake Taihu, higher SRP

concentrations in water column was accompanied

by higher phytoplankton density, dominated by

green algae.

Extracellular phosphatase is important in algal

development. For green algae, APA was respon-

sible for making P available, at least partially. For

example, Schroederia sp. at Site A, responding to

low SRP, excreted extracellular phosphatase in

April, as illustrated by ELFA-labeling. Total and

‘‘algal’’ APA at Site A was higher than those at

Site C (Fig. 4). In a eutrophic Czech reservoir,

ELFA-labeling indicated that several green algae

produced extracellular phosphatase whenever

present (Štrojsová et al., 2003). Green algae can

lead to increased phosphatase activity (Sala &

Guede, 1995). APA in Selenastrum capricornu-

tum was not correlated to molybdate reactive P

over a concentration range. The P fraction made

available by alkaline phosphatases, enzyme

hydrolyzable P, increased the P supply to organ-

isms with high APA (Klotz, 1985). Thus, P

fractions mediated by APA, in addition to SRP,

are important for P supply to algae. In the present

study, higher APA (total or ‘‘algal’’) was accom-

panied by lower TP and higher DOP in surface

water at Site C in February, where green algae

were abundant. The alternative method for phy-

toplankton to obtain P would be use of DOP by

APA (Labry et al., 2002). These facts likely

reflected the key role of bioavailable phosphorus

in the regulation of phytoplankton composition.

From February to April, SRP concentrations in

interstitial water paralleled with those in water

column. Among all sampling sites, Site C had the

highest SRP in interstitial and overlying waters in

February. Highest water column phytoplankton

density occurred in April, with abundant green

algae including Coelastrum sp., responding to

highest SRP concentrations in interstitial water.

In wetland, sediment is of paramount importance,

promoting a more diverse phytoplankton assem-

blage. When sediment or nutrient pulses are

absent, phytoplankton is dominated by slow-

growing algae (Ortega-Mayagoitial et al., 2003).

In Lake Kinneret (Israel), from the bottom to

3 m, green algae (Pediastrum, Scenedesmus,

Coelastrum, etc.) were observed and changed

with increased nutrients from cultural disturbance

(Pollingher, 1986). In Canadian lakes, increases at

fall turnover consisted mainly of the previous

hypolimnetic P and were responsible for fall and

winter blooms. These estimates of P were similar

in lakes with little internal load, but could differ

up to 700% in lakes with high internal load

(Nuernberg et al., 1995). In our results, highest

algal density was found in overlying water, with

green algae (Coelastrum sp.) being dominant,

which is contrary to other results showing more

algae occurring in surface waters. Therefore, the

upward flux of phosphorus could support the

excess growth of phytoplankton, whereas phyto-

plankton could adapt for P nutrient by concen-

trating in bottom as well, which provided further

evidence that P in the overlying and interstitial

waters is an important factor affecting phyto-

plankton density and composition.

Compared to the dredged sites, the undredged

controls of Lake Taihu showed significantly

higher concentration of bioavailable phosphorus

(SRP) in interstitial and overlying waters, and

considerably larger amounts of algae occurred in

bottom water, rather than at the surface, with

green algae being dominant. Therefore, in addi-

tion to temperature and light, nutrient P may

serve as a driving force for development of phy-

toplankton. A significantly higher density of phy-

toplankton, dominated by green algae responded

to the greatly increased SRP concentrations in

interstitial water at all stations in April, strength-

ening the relation between the density and

composition of phytoplankton and P loading from

sediments. In general, the undredged sites in Lake

Taihu exhibited significantly higher SRP concen-

trations in interstitial water than the dredged

sites. Furthermore, in February, higher total and

‘‘algal’’ APA was accompanied by significantly

lower TP and higher DOP concentrations at the

undredged sites, where green algae dominated. In
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April, Schroederia sp. (green algae) excreted

extracellular phosphatase as shown by ELF-

labeling at a dredged site with relative lower

SRP concentration, while, at the dredged site with

higher SRP concentration, no such labeling was

observed. These facts suggested that organic

phosphorus, and its regeneration mediated by

phosphatase, constituted an additional way of

supplying P for some algae to compensate

ambient P deficiency. This was also related to

internal loading, and consequently to the sedi-

ment dredging.

In summary, the undredged sites in Lake

Taihu had significantly higher bioavailable P

(SRP) in the interstitial and overlying waters,

coinciding with larger amounts of algae in the

overlying water, rather than in the surface water,

with green algae being dominant. Moreover,

higher phytoplankton density, dominated by

green algae, responded to higher SRP in the

interstitial water at all sites in April. Therefore,

in addition to temperature and light, P status in

the bottom is important to phytoplankton devel-

opment in terms of density and composition in

Lake Taihu. Additionally, the undredged sites

generally had higher SRP in the interstitial water

than the dredged sites. Furthermore, in Febru-

ary, higher total and ‘‘algal’’ APA was accom-

panied by lower TP and higher DOP at the

undredged sites, where green algae dominated,

suggesting that extracellular phosphatase of

chlorophyte mainly mediate P regeneration to

improve its bioavailability. In April, Schroederia

sp. (green algae) excreted extracellular phospha-

tase as shown by ELF-labeling at a dredged site

with lower SRP, while, at the undredged site

with higher SRP, no such a labeling was

observed. Based on results in an urban lake,

Half Moon Lake in Wisconsin, James et al.

(2002) found that reduction of internal P sources

could substantially reduce by greater than 70%

the high concentrations of algae in the lake.

Suggested internal P control measures included a

sediment chemical treatment to bind P, greater

harvesting of P. crispus to reduce the macro-

phyte P pool at the time of senescence, and

limiting motor boat activity when the lake is

weakly stratified. Our results indicated that the

dredging might regulate algal density and com-

position in water column by reducing P bioavail-

ability in the bottom of eutrophic lakes.
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Abstract In this study, potential toxicity in

organic pollutants in Meiliang Bay, Lake Taihu,

a drinking water source, was investigated using

the comet assay and zebrafish embryo test, and

two control sites in Lake Changdang and the

Changjiang (Yangtze) River were established.

For the genotoxicity assay, results showed that

organic extracts from water samples induce DNA

damage on human lymphocytes and mouse tes-

ticular cells. A statistically significant difference

(p < 0.01) was observed versus the solvent con-

trol, as shown by multiple comparisons at a dose

of 100 ml tube–1. The degree of DNA damage

caused by Meiliang Bay water was most serious

(human lymphocytes cells—184 arbitrary units

(AU); 234 AU on mouse testicular cells). Organic

extracts also affected zebrafish embryo develop-

ment. Embryo coagulation, axis abnormality,

slow absorbability of vitellicle, and multi-edema

related to teratogenesis at 96 hpf were observed.

In the high dose group, there was obvious edema

in the hearts and vitellicles for most dysplastic

embryos. Toxic potential in organic pollutants in

drinking water sources from the Yangtze River

and Lake Changdang were less serious than

Meiliang Bay. Therefore, the drinking water

source in Meiliang Bay was unsafe compared to

the Changjiang River and Lake Changdang, and

it is exigent that Meiliang Bay water quality

should be ameliorated further.

Keywords Meiliang Bay of Lake Taihu �
Drinking water source � Organic pollutant �
Toxicity evaluation � Comet assay �
Zebrafish embryo test

Introduction

There are many methods used to evaluate drink-

ing water toxicity. Application of alkaline single-

cell gel electrophoresis (SCGE), or comet assay,

in environmental bio-monitoring to clinical appli-

cations, DNA repair processes and genetic toxi-

cology, has been explored broadly (Singh et al.,

1988; Tice et al., 2000). The comet assay for

human lymphocytes has been used to investigate

polluted surface water (Zhong et al., 2001; Ra-

jaguru et al., 2002). Results indicate that the
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comet assay is useful for assessment of aquatic

environments. The comet assay is a rapid, simple

and sensitive visual technique for detecting

potential double-strained DNA breaks in individ-

ual cells (Zhu, 1995; Rojas et al., 1999).

Male mice can be used as an animal model for

toxicity research in drinking water. Since mice are

mammals, results may demonstrate potential

adverse effects on humans. Organic extracts

may damage male reproductive systems with

testis as the target organ (Tian et al., 2002).

DNA damage to reproductive cells may induce

DNA abnormality and miscarriages as well as

developmental abnormalities and cancer suscep-

tibility in offspring (Haines et al., 2001). Since

mice spermatid cells are easy to separate and

possess particular metabolic activation, they are

good for evaluating genotoxicity of chemicals on

human reproductive cells (Zhang et al., 2001).

Compared with the conventional acute fish

test, the zebrafish embryo test has many advan-

tages, such as low cost, fewer impact factors and

high sensitivity. Therefore, it may be used as a

standard method. The zebrafish embryo test also

may provide information for chemical toxicity

studies during different zebrafish embryo growth

stages. The zebrafish embryo test has been used

to evaluate toxic substance and toxicological

mechanisms (Gellert & Heinrichsdorff, 2001;

Zhu & Shi, 2002; Strmac et al., 2002).

In this study, toxicity of organic pollutants in

Meiliang Bay, Lake Taihu, in Wuxi, Jiangsu

province, China, was evaluated using the comet

assay, on human peripheral blood lymphocytes

and mouse testicular cells, and the zebrafish

embryo test. Simultaneously, two control sites in

the Yangtze River and Lake Changdang were

established. The objective was to develop a

simple modeling method for drinking water

quality monitoring.

Materials and methods

Materials

Human peripheral blood samples were collected

from two volunteers (healthy, non-smoking, adult

male) by Nanjing Center Blood Bank (China).

Healthy male mice (Kunming strain) weighing

28–32 g were obtained from Animal Breeding

Center of Nanjing University and used after one

week of acclimatization. The animals were

housed in plastic cages in a temperature-con-

trolled room (25 ± 2�C) with a natural light-dark

cycle and were given commercial food and water.

Zebrafish (Danio rerio) were obtained from a

local pet store. A suitable number of healthy fish

(females to males ratio was 1:2) were kept in a

100 l tank filled with water, which was prepared

according to ISO (1996) (For per liter water,

adding 294 mg CaCl2�H2O, 123 mgMgSO4�7H2O,

65 mg NaHCO3 and 6 mg KCl,). Water was

maintained at 26 ± 1�C, DO > 7 mg l–1, with a

light/dark cycle of 14/10 h. Fish was fed daily.

Sampling procedures

Three water samples were collected from three

sites (Fig. 1), the drinking water source in Meili-

ang Bay, Lake Taihu, inWuxi (SL.1), the center of

Lake Changdang in Jintan (SL.2), and the Chang-

jiang River in Changzhou (SL.3). Water samples

(100 l) were collected from each site at 0.5 m

depth in December 2003. After being stored 24 h,

each water sample was filtered with gauze and

filter paper, to remove suspended material or

sediment, and then passed though a column with

non-polar neutral resin (XAD-2) to adsorb

organic pollutants at a flow rate of 30–

40 ml min–1. The column was eluted with carbi-

nol, acetone and dichloromethane. The elution

was dried by blowing with nitrogen at 50�C and re-

dissolved in 2.0 ml dimethysulphoxide (DMSO).

The comet assay on human peripheral

lymphocyte cells

To obtain the peripheral lymphocytes, human

blood samples were mixed with 3% glutin solu-

tion and subsided at 37�C for 30 min. The layer

containing lymphocytes (0.2 ml) were transferred

into a test tube with 0.8 ml phosphate-buffered

saline (PBS). After centrifuging at 3,000 rpm for

3 min, the supernatant was removed carefully.

The pellet containing lymphocytes was re-sus-

pended after being exposed to different solutions

containing the organics (i.e., each dosage equals
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20 ml, 100 ml, and 500 ml source water) in the

same buffer including 0.1 ml water sample extract

and 0.9 ml PBS incubated for 1 h at 37�C. DMSO

was used as a control. Viability of individual cells

(>90%) was determined by the Trypan blue

exclusion technique.

The comet assay was performed as described

by Singh et al. (1988) with some modifications.

Briefly, frosted microscope slides, on which cells

were embedded in an agarose ‘‘sandwich’’, were

submerged in cold lysis buffer (2.5 M NaCl,

100 mM EDTA, 10 mM Tris, adjusted to pH

10.0 with NaOH, 1% Triton X-100 and 10%

DMSO both freshly added) at 4�C in the dark

for at least 30 min to remove cellular proteins.

Electrophoresis was conducted at 18�C with

25 V and 100 mA for 1 h. The experiment was

done in red or yellow light to avoid DNA

damage. DNA was stained with ethidium bro-

mide, and slides were examined with a fluores-

cent microscope (BX41, Olympus, Japan). One

observer evaluated the slides to minimize vari-

ability. Images were analyzed according to

Collins et al. (1995). One hundred comets on

each slide were scored visually as one of five

classes, according to tail intensity, and given a

value of 0, 1, 2, 3, or 4 (from undamaged, 0, to

maximally damaged, 4). ‘‘Arbitrary units’’ (AU)

were used to express DNA damage and was

calculated as:

Arbitrary units =
X4
i¼ 0

i � Ni

where Ni = frequency in class i; i = DNA

damage class (0, 1, 2, 3, 4).

Comparisons of DNA damage induced by con-

trol and treated groups were analyzed using a one-

way ANOVA using the SPSS software. Since

studies have revealed that highdose exposuremight

damage DNA badly, a very high dose would result

in a decline of visual DNA damage for the massive

dissociative fraction to bemissed in electrophoresis,

and a very lowdosemadedifferences among groups

invisible (Devaux et al., 1997). Therefore, in this

study, genotoxicity of water samples was compared

at 100 ml tube–1. In addition, differences among

groups were analyzed using the Duncan test with a

significance level of 0.05.

The comet assay on mouse spermatid cells

Cell suspension from spermaries of adult male

mice was performed according to Zhang et al.

(2001). Briefly, mouse spermatid was extracted

with 90% Dulbecco’s Modified Eagle Medium

(DMEM) for 1 h at 37�C. The dosage for tested

water was the same as the human lymphocytes

comet assay. Treated cells were centrifuged, and

DMSO was used as a control. Individual cell

viability (>90%) was determined by the Try-pan

blue exclusion technique.

Fig. 1 Water
sampling sites
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Zebrafish embryo test

Zebrafish eggs were obtained according to OECD

(1998). Eggs were collected in 30 min and washed

with tap water. A suitable number of eggs were

transferred into prepared chemical concentra-

tions. Eggs were observed and non-fertilized eggs

were discarded. The experiment was considered

valid when at least 90% of the embryos in the

control were viable after 72 h. After hatching,

embryos were transferred into wells in a 24-well

multi-plate (1 embryo perwell). Twentywells were

prepared with 2 ml water sample. Four wells were

filled with egg water and were internal controls.

DMSO concentration was not more than 0.25%.

Tests were replicated at least three times (60 eggs

per concentration and 5 concentrations tested for

each sample) consecutively. Eggs were incubated

at 26 ± 1�C with a light/dark cycle of 12/12 h.

Embryonic development was observed with an

inverted microscope (TMD-EF, Nikon, Japan)

and recorded daily. The toxicological endpoint

was embryo mortality. In addition, differences

among treated groups and the blank were ana-

lyzed with the v2 test.Table 1.

Results

Water samples from SL.1 and SL.2 (500 ml tube–1)

damaged DNA so badly that results could not be

evaluated. Results from the human peripheral

lymphocyte experiment show that all water

samples extracts induced DNA damage, and a

statistically significant difference (p < 0.01) was

observed versus the solvent control. Results also

showed that the DNA damage score increased

with extract concentrations. Comparing genotox-

icity of SL.1, 2 and 3 at 100 ml/tube–1, the degree

of DNA damage in human peripheral lympho-

cytes treated with SL.1 water was worst. A typical

comet picture is shown in Figs. 2 and 3.

Results from the mouse spermatid experiment

are shown in Table 2 and demonstrate that all

water sample extracts induced DNA damage. A

statistically significant difference (p < 0.01) was

observed versus the solvent control group. With

increasing dose, DNA damage became more

extensive. Comparing the genotoxicity among

the three water samples at 100 ml tube–1, the

order of the degree of DNA damage was

SL.1 > SL.2 > SL.3.

Zebrafish embryos were affected by water

sample organic extracts (SL.1, SL.2 and SL.3).

Among them, SL.1 was the most toxic (Table 3).

Compared with the blank control, SL.3 affected

the 96 h-hatch-rate dramatically when organics

were concentrated by 125. For SL.1 and SL.2,

concentrated by 7.8 and 62.5, respectively, toxic-

ity also was significant (p < 0.01).

Discussion

Jiangsu province has a developed chemical indus-

try, and the chemical composition of organic

Table 1 DNA damages in human peripheral blood lymphocytes (mean ± SD) exposed to organics from different water
samples

Frequency (%)

Class 0 Class 1 Class 2 Class 3 Class 4

SL.2 20 0.74 ± 1.27 86.61 ± 1.91 11.68 ± 0.17 0.97 ± 0.69 0 112.89 ± 0.66**
100 0 42.06 ± 6.19 34.93 ± 8.17 20.00 ± 2.36 3.01 ± 1.30 183.95 ± 5.57**
500 0 1.61 ± 1.21 51.84 ± 3.40 41.35 ± 4.58 5.20 ± 1.81 250.14 ± 1.95**
20 29.56 ± 4.79 49.18 ± 2.14 21.25 ± 3.73 0 0 91.69 ± 8.32**
100 0 37.34 ± 12.37 46.46 ± 10.36 16.04 ± 4.04 0.16 ± 0.35 179.01 ± 15.48**
500 0 14.54 ± 6.86 40.68 ± 7.39 41.32 ± 5.16 3.46 ± 1.50 233.71 ± 9.39**
20 10.07 ± 10.18 76.74 ± 8.47 13.20 ± 8.63 0 0 103.13 ± 16.87**
100 0 66.44 ± 13.38 31.43 ± 13.18 2.13 ± 1.07 0 135.69 ± 13.64**
500 0 33.75 ± 9.84 54.87 ± 12.28 10.21 ± 7.38 1.17 ± 1.43 178.80 ± 12.85**

Solvent control 0 73.02 ± 3.20 25.67 ± 3.16 1.30 ± 0.70 0 0 28.28 ± 3.39

** p<0.01
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extracts from the river and lake was mostly

anthropogenic. There were more than 40 priority

pollutants (such as pesticides, hydroxybenzenes

and heterocyclics). The present study suggests

that concentrated organics from water sample

extracts were evident in genotoxins and could

damage DNA of human peripheral blood lym-

phocytes and mouse spermatids. Additionally,

mouse spermatid DNA damage was so severe in

the high dose groups of samples SL.1 and 2 that

heads and tails of some comets were separated

from each other, which indicates that extracted

organic pollutants may have promoted pro-

grammed cell death. Compared with human

peripheral blood lymphocytes, mouse spermatids

may be more sensitive to organic toxins. Mouse

germ cells were more sensitive than somatic cells

when evaluating potential harmful effects of

organic pollutants in tap water (Wu et al., 1999).

However, results of the comet assay showed

DNA damage in the mouse spermatid control

was more serious than human peripheral blood

lymphocytes. Therefore, the isolation and culture

of mouse spermatids were adjusted.

In the zebrafish embryo test, three aspects were

considered when choosing the toxicological end-

points observed, including measurement, obvious

toxic reaction and easy operation. The toxicolog-

ical endpoint was the embryo hatch rate at 96 hpf

(hour post fertilization). However, many kinds of

dysplasia were observed, such as embryo coagu-

lation and agensis correlated with death, axis

abnormality, slow absorption of the vitellicle and

Fig. 3 The comet picture of a sample at the dose of
500 ml/tube–1 on human peripheral blood lymphocytes
(·400)

Fig. 2 The comet picture of DMSO on human peripheral
blood lymphocytes (·400)

Table 2 DNA damages in mouse spermatid (mean ± SD) exposed to organics from different water samples

Frequency (%)

Class 0 Class 1 Class 2 Class 3 Class 4

20 15.34 ± 1.64 48.70 ± 2.52 35.56 ± 3.50 0.40 ± 0.50 0 121.03 ± 4.76**
100 0 16.93 ± 3.19 39.38 ± 3.55 36.20 ± 4.02 7.49 ± 1.23 234.25 ± 5.09**
500
20 25.93 ± 1.75 45.02 ± 6.02 28.24 ± 6.32 0.80 ± 0.76 0 103.91 ± 8.43**
100 5.56 ± 1.79 17.24 ± 2.57 37.16 ± 7.27 37.14 ± 3.87 2.91 ± 1.54 214.61 ± 5.89**
500
20 36.44 ± 5.44 51.87 ± 5.81 11.69 ± 1.88 0 0 75.26 ± 5.71**
100 1.91 ± 1.31 52.94 ± 6.45 41.33 ± 4.03 3.82 ± 2.53 0 147.05 ± 6.26**
500 0 13.10 ± 3.78 43.39 ± 2.19 38.89 ± 6.50 4.61 ± 2.54 253.00 ± 8.47**

Solvent control 0 51.74 ± 5.25 47.53 ± 5.02 0.74 ± 1.27 0 0 49.00 ± 5.76

** p<0.01
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multi-edema related to teratogenesis at 96 hpf. In

the high organics dose from SL.1 and 2, there was

obvious edema in the hearts and vitellicles for

most dysplastic embryos. The endpoint of terato-

genesis was more sensitive than the death end-

point. Some studies showed that minnows had a

similar toxicological endpoint for toxins (Strmac

et al., 2002). Therefore, the nonspecific reaction

to toxin in early life stages, such as acantha

distortion, the slow absorption of the vitellicle

and formation of edema are worthy of further

study.

When exposed to toxin, the zebrafish embryo

egg membrane protected the embryo. Selective

permeability of the egg membrane changed with

growth time and toxin differences. Due to

underdevelopment of the embryo metabolizing

system, interactions between the toxin and the

enzyme system was difficult to observe in the

test.

The report of The Environment Status Com-

munique of Jiangsu Province in 2002 indicated

that water quality in the Changjiang River was in

the secondary category standard for surface

water. However, water quality in Lake Taihu

was worse than the fifth category standard. Lake

Changdang is the third largest lake in Taihu basin,

and its water quality approached the third cate-

gory standard and became worse in recent years.

From this study, results of the comet assay

(human peripheral blood lymphocytes and mouse

spermatid) and the zebrafish embryo test were

consistent with the water quality of each water

source. The three methods mentioned above

could detect biologic toxicity of organic pollutants

in water effectively. The research demonstrated

that the drinking water source in Meiliang Bay

was worst and should be ameliorated further prior

to those in Lake Changdang and the Changjiang

River.
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EUTROPHICATION IN LAKES

Updating water quality targets for shallow Lake Balaton
(Hungary), recovering from eutrophication
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Abstract The paper presents an overview about

recovery of shallow Lake Balaton from eutrophi-

cation by assessing quantitative and qualitative

changes in phytoplankton, zooplankton, and chir-

onomids as a function of load reduction. The aim

was to update the present water quality targets.

The proposed targeting scheme supplements the

existing one with a range of lake-specific ecolog-

ical criteria. We conclude that simple targets

(desired phytoplankton biomass and permissible

load) are the best choice during the initial stage of

eutrophication management, but more complex

schemes including ecological criteria are needed

to trace recovery when re-organization of the

ecosystem takes place.

Keywords Phosphorus load � Sediment

behavior � Phytoplankton � Cyanobacteria �
Zooplankton � Chironomid fauna

Introduction

Water quality targets serve as a measuring scale

during eutrophication management that orients

managers and the public in questions like ‘‘How

much can the status of the lake be improved?’’,

‘‘What has been achieved by the implemented

measures?’’, ‘‘Which are the main tasks of future

management?’’ Target conditions are usually

defined when intolerable economic and ecological

consequences of eutrophication call for immedi-

ate action that is when the ecosystem had

spectacularly transgressed steady state. In the

best case, targets are set up using information

about past steady state and changes observed

during nutrient enrichment. The implicit initial

assumption is that apart from some delay, the

path of recovery will mirror the trajectory of

eutrophication with a resulting steady state iden-

tical to the pre-eutrophication status of the lake.

Full-scale recovery, however, has not been con-

vincingly confirmed yet, and comprehensive stud-

ies of lake recovery suggest hysteretic effects due

to both internal P load and biological resilience.

Sas (1989) and coworkers have recognized four

stages during lake recovery. No decrease in algal
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biomass can be expected until external and

internal P loads decrease below the level at which

P regains its role in determining carrying capacity

of the lake (Stage 1). In Stage 2 transparency

shows a disproportionately large increase relative

to the decrease in area-specific algal biomass due

to dispersion of buoyant cyanobacteria and/or

motile algae to greater depths with high nutrient

concentration. This behavioural response to load

reduction can be observed in deep lakes with

stable stratification but not in shallow lakes. Once

P has become growth limiting, the decrease of

phytoplankton biomass is proportionate to the

decrease in P supply (Stage 3). During Stage 4, a

further reduction in algal biomass is coupled to

floristic changes, most conspicuously to the re-

treat of cyanobacteria. Due to random fluctua-

tions in the biomass and composition of

phytoplankton, the various stages have no fixed

boundaries. Although not considered in the study

of Sas (1989), full recovery of a lake certainly

requires one more step (Stage 5): regeneration of

former macrovegetation and food web structure

(Scheffer et al., 1993). Considering this general

pattern of recovery as well as deviations of

individual lakes from the ‘‘rule’’, occasional

updating of water quality targets is inevitable to

maintain the orienting function of these targets

over the whole recovery process.

In the present study we overview the recovery

of large (596 km2), shallow (zmean = 3.2 m) Lake

Balaton in context of the above general model.

Individual processes including the relationship

between P load and phytoplankton biomass

(Istvánovics & Somlyódy, 2001; Istvánovics

et al., 2002), floristic changes of phytoplankton

in response to restoration measures (Padisák &

Reynolds, 1998), long-term changes in the bio-

mass, composition and production of zooplank-

ton (G.-Tóth, 2000), and the relationship

between phytoplankton production and long-

term dynamics of the chironomid fauna (Spec-

ziár & Vörös, 2001) have been published sepa-

rately. The present overview was motivated by

the practical aim of updating water quality

targets considering both the observed response

of the ecosystem to eutrophication management

and realistic perspectives of further reduction in

nutrient loads.

Data and methods

In order to detect trends and clarify patterns, we

attempted to use as long data sets as possible.

This could be achieved by supplementing the

authors own data with critically evaluated histor-

ical records from both published sources and

various unpublished archives. Whenever quanti-

fication was feasible, simple empirical relation-

ships were applied.

Recovery of the lake was traced using one or

both of the two independent approaches: (i)

analysis of the trajectory of oligotrophication

within the same lake area and (ii) comparison of

the areas that had previously attained hypertro-

phy and mesotrophy/slight eutrophy. The advan-

tage of the latter approach is that the influence of

random variability caused by physical forcing is

partly cancelled (Herodek, 1984). At the same

time, poorly explored natural gradients within the

lake may impose limitations to the application of

this method.

Lake Balaton, its eutrophication and restoration

On the basis of large-scale circulation patterns

(Shanahan et al., 1986), Lake Balaton can be

divided into four basins (Fig. 1). Mean depth and

surface area of the basins increase from west to

east with a concomitant decrease in the area of

the corresponding sub-watershed (Fig. 1). The

largest tributary, the Zala River enters Basin 1,

whereas the only outflow is the Sió Canal at the

opposite end of the lake. The lake is extremely

calcareous with high magnesian calcite making up

50–60% of sediments (Csermák & Máté, 2004).

Turbidity is high particularly during summer due

to both wind induced sediment resuspension and

slow sedimentation of the precipitating carbon-

ates (Istvánovics et al., 2004). Strong wave action

restricts macrophyte growth to a narrow littoral

zone (during the past 150 years, maximum 10%

of lake area; Virág, 1998).

Specific morphometry gives rise to environ-

mental gradients along the longitudinal axis

from increasing water retention time to shifts in

major ion composition and to decreasing area-

specific nutrient loads. One can expect associated
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differentiation in the biotic components under

pristine conditions, but the available evidence is

faint.

Eutrophication dramatically magnified many

of the environmental gradients and particularly

the biotic ones. By the end of the 1970s, area-

specific P load in Basin 1 exceeded that in Basin 4

by a factor of 8 (Table 1, Somlyódy & Jolánkai,

1986). Primary production has increased 6–8-fold

in Basin 1 and doubled in Basin 4 (Herodek,

1986). Blooms of N2-fixing cyanobacteria devel-

oped regularly during summers in the western

basins. Four years after its first appearance in

1978 (Padisák, 1997), invasive Cylindrospermop-

sis raciborskii (Woloszynska) Seenayya et Subba

Raju became the dominant summer species in

each basin (Herodek, 1986; Padisák & Reynolds,

1998; Istvánovics et al., 2002). Significant differ-

ences between the western and eastern areas have

been reported in composition and production of

Table 1 Multi-annual mean loads (±sd) of total P in tons P year–1

Source Lake Balaton Basin 1 Basin 2 Basin 3 Basin 4

Before eutrophication management (1980–1988)
Geochemical background 18 ± 4 10 ± 2 6 ± 1 2 1
Sewage 61 ± 15 31 ± 7 10 ± 1 5 ± 4 16 ± 10
Urban runoff 56 ± 9 16 ± 4 19 ± 4 10 ± 1 10 ± 2
Agricultural (rural) runoff 137 ± 30 39 ± 17 42 ± 14 30 ± 5 26 ± 4
Atmosphearic 17 ± 2 1 4 ± 1 5 ± 1 7 ± 1
Total 289 ± 42 97 ± 23 80 ± 19 53 ± 4 60 ± 10
Through-flow 20 ± 4 21 ± 7 12 ± 6
After eutrophication management (1989–2002)
Geochemical background 17 ± 6 9 ± 3 5 ± 2 2 ± 1 1
Sewagea 11 ± 3 7 ± 2 3 ± 1 1 0
Urban runoff 34 ± 11 9 ± 3 12 ± 4 6 ± 2 7 ± 3
Agricultural (rural) runoff 74 ± 27 20 ± 11 23 ± 8 14 ± 5 17 ± 6
Atmospheric 10 ± 5 1 2 ± 1 3 ± 2 4 ± 2
Total 145 ± 47 45 ± 19 46 ± 14 26 ± 8 29 ± 9
Through-flow 18 ± 9 21 ± 12 15 ± 11

a—value in 2002

Fig. 1 Lake Balaton and its catchment. (H—average depth, A—surface area, Aw—area of sub-catchment, WWTP—waste
water treatment plant)
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the chironomid fauna (Dévai & Moldován, 1983;

Ponyi et al., 1983) as well as in those of fish (Bı́ró

& Vörös, 1990; Bı́ró, 1997).

In addition to its ecological values, Balaton is

an internationally recognized recreational lake.

Eutrophication caused significant economic loss

in times when two thirds of Hungary’s tourist

income originated from the Balaton region. An

inclusive eutrophication management plan was

approved by the government in 1983. The aim

was preventing further deterioration in water

quality by 1990 and achieving the trophic condi-

tions experienced during the early 1960s in the

period 2005–2100 (Láng, 1986). Water quality

targets and permissible phosphorus loads were

also expressed in quantitative terms.

The most important management measures

included (i) sewage diversion from shoreline

settlements around Basin 4 and along the south-

ern shore of Basin 3, (ii) introduction of chemical

P precipitation at the large waste water treatment

plants in the watershed, and (iii) pre-reservoir

construction on the Zala River (Fig. 1). In the

meantime, Hungarian agriculture has collapsed

following the political changes in 1989. From the

perspective of eutrophication, the most important

consequence was a 90% drop in fertilizer appli-

cation. Two periods of drought during 1990–1993

and 2000–2003 further decreased diffuse load of

nutrients (Fig. 2). Multi-annual mean load of P

decreased by about 50% in each basin (Clement

et al., in press; Table 1). Considering, however,

the additional load originating from through-flow,

the reduction was only 30–40% with the excep-

tion of Basin 1 (Table 1).

Results and discussion

The relationship between P load and algal

biomass

In the western basins, annual mean biomass of

algae decreased significantly after a delay of

about one decade (Fig. 3). Although the last few

summers were unusually warm and dry, the

former adverse conditions have not returned. In

the eastern basins, particularly in Basin 3 the

improvement was marginal if any. In the period

1995–2003, annual average biomass of phyto-

plankton exceeded the prescribed range in

5 years (Fig. 3). The mean deviation was the

lowest (25%) in Basin 1 and the highest (55%) in
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Fig. 2 Loads of soluble reactive P (SRP) and total P (sum
of SRP and other P forms), and flow (Q) at the mouth
section of the Zala River. (Arrows indicate timing of load
reduction (Fig. 1) as follows: a—inundation of the Upper
Kis-Balaton reservoir; b—sudden drop in fertilizer appli-
cation due to the collapse of agriculture; c—introduction
of chemical P removal at the sewage treatment plant of
Zalaegerszeg, d—inundation of the Lower Kis-Balaton
reservoir. Shaded areas indicate two periods of draught)
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Fig. 3 Annual mean biomass of phytoplankton in the four
basins of Lake Balaton. (Basin 1—open square, Basin
2—closed square, Basin 3—open circle, Basin 4—closed
circle. Arrows indicate timing of load reduction (Fig. 1) as
follows: a—inundation of the Upper Kis-Balaton reservoir;
b—sewage diversion from the eastern basins; c—sudden
drop in fertilizer application due to the collapse of
agriculture; d—introduction of chemical P removal at the
sewage treatment plant of Zalaegerszeg, e—inundation of
the Lower Kis-Balaton reservoir. Shaded areas indicate
two periods of draught. Numbered lines show water
quality objectives to be achieved by 2010 in the four
basins (cf. Table 2))
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Basin 3. The conclusion is that in spite of the

conspicuous improvement in the western areas,

the lake is still far away from a full recovery.

Due to the large number of small, dynamic

inflows (over 50, Fig. 1), annual load estimates

are uncertain with the exception of Basin 1 where

daily loads through the Zala River have been

available from 1976 (Clement, 2000). Conse-

quently, the relationship between algal biomass

and phosphorus load can be traced at a higher

resolution in this westernmost area than in other

basins. The question is then how much the results

are transferable to the other basins.

Pre-reservoir construction caused spectacular

changes in the loading conditions of Basin 1 in

addition to the reduction in absolute terms (Fig. 2).

Themost important ones were (i) an 80%decrease

in the load of suspended solids, (ii) the increase in

the calcium load related to total P and suspended

solids loads by a factor of 2.5 and 4, respectively,

and (iii) the decrease in the mean loading ratio of

nitrate-N to phosphate-P below 2 (by weight)

during summer. Changes in (i) and (ii) altered the

apparent settling velocity of P and improved

the composition of the freshly formed sediments

(Istvánovics & Somlyódy, 2001), whereas (iii) may

favor selection of N2-fixing cyanobacteria.

Internal load of P is one of the basic processes

that determine the path of recovery in shallow

lakes (Marsden, 1989; Sas, 1989; Søndergaard

et al., 1999). In well-oxygenated Lake Balaton

with low concentrations of iron in the sediments

(12–20 mg Fe g–1 drymass), resuspension followed

by P desoprtion is the predominant mechanism of

transport (Boström et al., 1982; Lijklema et al.,

1986). At long time scales relevant for recovery,

transport can be considered constant provided that

no significant changes occur in macrophyte cover-

age. In such lakes, long-term changes in the

internal load depend on the concentration of

mobile sediment P. These changes are rarely large

enough to detect them directly (Søndergaard

et al., 1999). Therefore we estimated long-term

trends in mobile sediment P using the mass

balance model of Lijklema and coworkers (1986)

for the upper sediment layer. Since loads of Ca and

suspended solids were available only for the Zala

River, additional sources (about 5–10% of the

total load) were neglected.

The model (Fig. 4) assumes that the ‘‘active’’

layer is fully mixed to a constant depth of h (m)

due primarily to the burrowing activity of

mobile P
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Fig. 4 Mass balance model of Lijklema et al. (1986) (a)
and the estimated mobile P content of sediments (solid
line) compared with annual mean biomass of phytoplank-
ton (circle; b) in Basin 1. The relationship between mobile
P content and phytoplankton biomass in years when
internal P load approached its potential maximum (c). (In
A closed circles denote years with large blooms of
Cylindrospermopsis raciborskii (Fig. 6). Arrows indicate
timing of load reduction (Fig. 1) as follows: a—inundation
of the Upper Kis-Balaton reservoir; b—sudden drop in
fertilizer application due to the collapse of agriculture;
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periods of draught. In B parameters of the regression line
are y = 234.94x, r2 = 0.88, n = 16)
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zoobenthos. The rate of sedimentation (Dh, m

year–1) can be estimated from the mass balance of

suspended solids and calcium. To keep the mixed

depth constant, burial must equal the rate of

sedimentation. Rate of P sedimentation (SP, g P

m–2 year–1) can be derived from the mass balance

of total P. The change in the P concentration of

the active layer (P, g P m–3) is

P¼ P0� SP
Dhþkh

� �
� exp �Dhþkh

h
t

� �
þ SP
Dhþkh

where P0 is the initial concentration at t = 0 and k

(year–1) is the first-order ‘‘nutrient decay’’ rate.

For conservative nutrients (like total P) k = 0,

whereas for non-conservative ones (like total N or

mobile P) k > 0. Diagenetic processes including

re-crystallization of carbonates and exchange of

Ca for Mg may result in gradual immobilization

of mobile P in the sediments of Lake Balaton.

The new equilibrium concentration is

Peq ¼ SP=ðDhþ khÞ. The rate of approaching to

equilibrium is controlled by the exponent,

s ¼ h=ðDhþ khÞ.
Using the parameters calibrated in 1999

(P0 = 67 g P m–3 = 0.15 mg P g–1 dry mass,

h = 0.15 m, and k = 0.1 m year–1; Istvánovics &

Somlyódy, 2001), the rapid decrease in the mobile

P pool is still in progress (Fig. 4). Considering

that the concentration of mobile P sets an upper

limit to the internal P load, the output of the

model can be interpreted as the trend in the

potential maximum of internal P load. This

maximum has been fully exploited (i) during the

initial period after the reduction in the external

load, (ii) during the years of large blooms of C.

raciborskii (there is a partial overlap between (i)

and (ii)), and (iii) during the recent dry years

when the weir of the Zala River was closed from

about June to November. In other years physical

constraints, biotic interactions or both might keep

the biomass of phytoplankton below the highest

achievable level.

In years when internal P load approached to

the potential maximum, strong correlation

(r2 = 0.88, n = 16, Fig. 4) was observed between

annual mean biomass of phytoplankton and

concentration of mobile P. This suggests that

the ultimate reason for the fast improvement in

the western areas is the favorable long-term

behavior of the highly calcareous sediments.

The relationship can be used to predict future

biomass of phytoplankton in Basin 1 under

various loading scenarios.

The OECD approach (Vollenweider & Kere-

kes, 1982; Fig. 5) was used to explore the

response of algal biomass to the reduction in

external load of P in the various basins. Mean in-

lake concentration of P (P, g P m–3) was calcu-

lated from the area-specific P and hydraulic loads

(lIN, g P m–2 year–1 and q, m year–1, respectively)

taking into account both inflow and through-flow:

Pk ¼ lIN
q

� 1

1þ 2
ffiffiffi
s

p

where s (year) is the theoretical water retention

time.

Deteriorating water balance of the lake can-

celled the effect of reduction in nutrient loads on

P in the eastern basins (Fig. 5; Istvánovics et al.,

2002). Pre- and post-management status of the

various basins seemed to follow a common linear

curve suggesting that the behavior of the different

areas can be considered fairly similar for mana-

gerial purposes.
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Fig. 5 Multi-annual mean biomass of phytoplankton as a
function of the in-lake concentration of P (Pk). (X and Y
bars denote the minimum and maximum values during the
period of averaging. Numbers refer to the four basins, ‘‘b’’
refers to the period before management (1980–1988), ‘‘a’’
refers to the period after management (1989–2003). The
OECD model line and the linear trend for the four basins
of Lake Balaton are given)
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Changes in the composition of phytoplankton

In the eastern basins, phytoplankton composition

and dynamics showed little difference during the

1970–1980s from those during the 1950s. Cyclo-

tella ocellata Pantocsek and C. compta (Ehren-

berg) Kützing dominated the spring bloom of

diatoms. Main species of the summer maximum

were Ceratium hirundinella (O.F. Müller) Sch-

rank, meroplanktonic diatoms (Aulacoseira gran-

ulata (Ehrenberg) Simonsen, A. granulata var.

angustissima (O. Müller) Simonsen and Snowella

lacustris (Chodat) Komárek et Hindák. Aphani-

zomenon klebahnii Elenkin was also present but

never dominant. In contrast to this, monomodal

succession with a single large summer bloom

characterized the phytoplankton in Basin 1

during the 1970s. Blooms of N2-fixing cyanobac-

teria (mainly Anabaena spiroides Klebahn and

A. flos-aquae (Lyngbye) Brébisson) might devel-

op from as early as June and collapse as late

as October. New cyanobacterial species were

recorded almost each year. Floristic data

collected during more than 70 years are clearly

indicative of fast structural changes preceding the

rapid increase in algal biomass.

Structural resilience could clearly be observed

following the reduction in external loads. Cylin-

drospermopsis raciborskii continued to form large

blooms in the western areas until 1994 (Fig. 6). A

sudden shift occurred in 1995: the share of

cyanobacteria has not exceeded 30% from this

year and duration of the summer bloom short-

ened significantly (Fig. 6). Although the seasonal

succession was monomodal in many years, the

ratio of the summer to spring bloom tended to

decrease.

In the eastern areas, the slight increase in

annual mean biomass during the early post-

management period (Fig. 3) coincided with the

increasing share of C. raciborskii (Fig. 6). In the

period 1988–1996, cyanobacteria contributed to

the summer maximum by more than 20% in

7 years, whereas previously this occurred only in

1982 (Padisák, 1994; Padisák & Reynolds, 1998).

The possible explanation is that blooms in the
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Fig. 6 Maximum biomass (a) and contribution to the total
biomass during the cyanobacteria bloom (b) of Cylindro-
spermopsis raciborskii, number of days when total biomass

exceeded 10 g m–3 (c), and maximum biomass of Ceratium
hirundinella (d) in Basin 1 (dotted bar) and Basin 4 (closed
bar). (No data were available in Basin 4 in 2000)
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western areas may disperse in 3–4 weeks to

inoculate the eastern ones (Istvánovics et al.,

2002; Koncsos, 2003).

Apart from C. raciborskii, there are two

species in Lake Balaton that deserve special

attention due to their potential toxicity and/or

ability to form excessive blooms. The one is

Aphanizomenon flos-aquae (Lyngbye) Ralfs,

which may form surface scum at the relatively

low whole-column biomass of about 4 g m–3. The

other one is Planktothrix agardhii (Gomont)

Anagnostidis et Komárek that bloomed first in

the lake in 1989. Its share reached 20% and 50%

of the maximum biomass in Basins 1 and 4,

respectively. The first bloom might represent one

of the unexpected consequences of pre-reservoir

construction. By 1988, the upper reservoir (Fig. 1)

developed into a hypertrophic pond with yearly

mean chlorophyll concentration of 150 mg m–3 at

the outflow. P. agardhii bloomed almost all

around the year (Mátyás, 1996), and Basin 1

received a substantial P. agardhii ‘‘load’’ between

1988 and 1992. Although the reed-covered lower

reservoir has fully eliminated this inoculation

from 1993, the cyanobacterium established itself

in the western areas of Lake Balaton and made

up 30% of the maximum biomass in some years.

Ceratium hirundinella is one of the most

successful canopy species of phytoplankton that

was historically the prominent summer alga of

Lake Balaton (Sebestyén, 1953). Its biomass

remained relatively low and stable in Basin 4

(Fig. 6). In contrast to this, biomass of C. hirun-

dinella was negatively correlated with that of

Cylindrospermopsis raciborskii (r = –0.59) in Ba-

sin 1. The recent increase of Ceratium hirundi-

nella (Fig. 6) is indicative of the beginning of

structural recovery in the western areas.

In order to exploit the predictive power pro-

vided by compositional changes of phytoplank-

ton, Padisák and coworkers (2003) elaborated a

novel indicator, the Q value. Phytoplankton

guilds/associations were identified in accordance

with the phyto-sociological classification of Rey-

nolds and coworkers (2002). Considering growth

rates, life history, toxicity and distribution of

species in 27 guilds, a water quality factor ranging

from 2 to 10 was assigned to each functional

group. A higher score indicates better quality.

Five water quality classes were set up using the

biomass-based relative frequency of the guilds

weighted by the water quality factor. Presence of

potentially toxic or bloom-forming species de-

creases the value of Q even if the total biomass is

low. Vice versa, Q may attain a high value when

the biomass is relatively high but bloom forma-

tion is unlikely in the absence of appropriate

species.

The Q index was tested on phytoplankton time

series from Lake Balaton at various temporal

scales (Fig. 7). Annual mean biomass of phyto-

plankton was low in Basin 4 during the period

1983–1988. The Q index, however, qualified the

area only as moderate or good. Indeed, annual

mean biomass increased in the subsequent years
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in spite of the reduction in nutrient loads (Fig. 3).

At a finer scale, the predictive value of Q was

even more striking. Low values of Q warned

before the onset of the summer bloom of cyano-

bacteria that water quality problems were likely

to occur.

Changes in the biomass and composition

of crustacean zooplankton

Frequent sediment resuspension and intense car-

bonate precipitation makes Lake Balaton a highly

stressful habitat for filter feeding zooplankton

(G.-Tóth, 1992). Before eutrophication, Eudia-

ptomus gracilis (Kiefer, 1932) made up more than

80% of crustacean zooplankton. As an average,

8–10% of primary production was channeled to

zooplankton. This is low in comparison to most

other temperate lakes (G.-Tóth, 1991). The two

important consequences are the prevalence of

bottom–up regulation of zooplankton and low

efficiency of energy utilization by fish (around

0.01%; Bı́ró & Vörös, 1982).

The moderate increase in the biomass of

crustacean zooplankton by a factor of 1.5–3 was

disproportionately low compared to the nearly

order of magnitude increase in primary produc-

tion in the western areas. The reasons of uncou-

pling might be manifold. (i) The share of inedible

algae increased within the phytoplankton. The

typically low community clearance rates de-

creased to negligible during blooms of filamen-

tous cyanobacteria. (ii) Quality of ingestible algae

might decrease due to frequent N deficiency. (iii)

Elevated primary production further enhanced

gross carbonate precipitation and thus counter-

balanced the increase in the ratio of food to

inorganic particles. In general, the most selective

feeders (Cyclops vicinus (Uljanin, 1875), Acanth-

ocyclops vernalis (Fischer, 1853), A. vernalis v.

robustus (Sars, 1863)) benefited the most from

eutrophication. Structural re-organization could

be observed after 1996. Number of E. gracilis

nauplii increased by a factor of 2–3 indicating the

improved physiological condition of this species

that took back its former leading position in the

crustacean zooplankton.

Conclusively, crustacean zooplankton is hardly

a suitable group for characterizing trophic status

of Lake Balaton due to extreme physical con-

straints acting upon its composition and biomass.

Changes in the biomass and composition

of the chironomid fauna

During the last 150–200 years, Procladius choreus

(Meigen, 1804), Tanypus punctipennis (Meigen,

1818) and Chironomus balatonicus (Dévai, Wül-

ker et Scholl, 1983) made up about 90% of the

biomass and production of chironomid fauna in

the profundal of Lake Balaton (Dévai & Mold-

ován, 1983; Specziár & Vörös, 2001). Of them,

carnivorous P. choreus was usually present in the

highest densities.

Substantial structural and quantitative differ-

ences developed along the longitudinal axis of

Lake Balaton during the period of eutrophication

(Fig. 8; Dévai, 1990; Specziár & Vörös, 2001).

The biomass remained low in Basin 4 (0.03–0.6 g

dry mass m–2 depending on the season and the

year), and P. choreus preserved its leading

position. In the western areas, the biomass

increased by a factor of 2–8 (0.2–4.25 g m–2)
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indicating the relatively strong coupling between

algal and chironomid production. The quantita-

tive change was associated with a shift from

P. choreus dominance to the dominance of phyto-

and detritivorous Ch. balatonicus.

From the early post-management period, data

are available only in 1991. Delayed response of

phytoplankton seemed to postpone re-structuring

of chironomid assemblages in Basin 1 (Fig. 8).

From 1996, mean chironomid biomass tended to

decrease but remained higher (0.3–3.1 g m–2)

than in the other basins (0.07–0.3 g m–2). Consid-

ering the similar biomass of phytoplankton in

Basins 1 and 2 (Fig. 3), the difference in the

chironomid biomass between the two areas was

surprising. The explanation lays in the divergent

structure of chironomid assemblages. While Ch.

balatonicus defended its dominance in Basin 1, P.

choreus became once again the most abundant

species in the other basins. This observation,

along with structural changes during eutrophica-

tion suggests that high chironomid biomass

(>0.5 g m–2) is invariably associated with the

dominance of Ch. balatonicus. Additional evi-

dence also supports this contention. In Basin 4,

two large chironomid peaks were observed fol-

lowing the bloom of C. raciborskii in 1982 and

1994. In both cases, Ch. balatonicus dominated

the chironomid community (cf. Figs. 6 and 8).

The above pattern indicates that Ch. balatoni-

cus may show a non-linear response to resource

availability. To further explore this point, spring

biomass of Ch. balatonicus was compared to

phytoplankton biomass during the previous sum-

mer (Fig. 9). Above a threshold chlorophyll

concentration of 20–30 mg m–3, abundance of

Ch. balatonicus exceeded 700–800 ind m–2 and

the species dominated the chironomid fauna.

Below this threshold, its abundance was close to

the limit of detectability (£1 ind m–2). In the

latter case, the importance of top–down control

by fish increased (Tátrai, 1980; Bı́ró, 1997).

The shift from P. choreus to Ch. balatonicus

dominance was shown to double (from 0.3–0.6%

to 0.7–1.3%) the efficiency of energy transfer

from primary producers to chironomids (Specziár

& Vörös, 2001; Specziár, 2004). This, in turn,

basically influenced population dynamics of sev-

eral fish species including those that forage

primarily for chironomids (Abramis brama

(Linnaeus, 1758), Gymnocephalus cernuus

(Linnaeus, 1758)) and those that temporarily

supplement their diet with these organisms

(Rutilus rutilus (Linnaeus, 1758), Pelecus cultratus
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(Linnaeus, 1758), Alburnus alburnus (Linnaeus,

1758), Cyprinus carpio (Linnaeus, 1758), etc.).

For example, growth of Abramis brama had been

fast during the 1970s with a particularly strong

population in Basin 1. In the 1990s, growth slowed

down and the bream population decreased dra-

matically all along the lake (Bı́ró, 1997).

Updating water quality targets

As a first step, we examine whether the present

water quality targets and permissible loads of

phosphorus (Table 2) are realistic in the case of

Basin 1. Maximum biomass of algae has been

predicted for 2010 and 2025 (Table 3) from the

relationship between the mobile P pool of the

sediments (that is the potential maximum of

internal P load) and yearly mean biomass of

phytoplankton (Fig. 4). Three distinct load sce-

narios were defined using the observed loads

during the past decade (Table 3). Scenario 1

represented the mean load over the whole period

after the latest large management measure taken

in 1992. Scenario 2 corresponded to the mean

load under average hydro-meteorological condi-

tions. Finally Scenario 3 was the mean load

experienced during the draught in 2000–2003.

In order to achieve the present water quality

targets until 2010, mean external load of P should

be decreased immediately to the level of Scenario

3 (Table 3). We estimate that at the mouth

section of the Zala River, 6–8 tons P year–1

originate from sewage emission, whereas the

diffuse load of biologically available P (BAP)

ranges between 10 and 15 tons P year–1 in average

hydro-meteorological conditions. During the

draught, pre-reservoirs released 1–5 tons P year–1

of BAP due to increased internal P load. Thus,

diffuse load dropped to 0–2 tons P year–1, a value

below the natural background load in years with

average runoff (Table 1). Consequently, no com-

bination of management measures can reduce the

external load to the level of Scenario 3. Therefore

the present water quality target is unlikely to be

attained by 2010.

Taking into consideration planned develop-

ment in sewerage, introducing an effluent stan-

dard of 0.5 g P m–3 in the whole watershed will

reduce BAP load from point sources by no more

than 30–40%. Such reduction would decrease the

external load to the level of Scenario 1. The

desired water quality could then be achieved by

2025 (Table 3). However, neither Scenario 1

seems to be realistic at the present time because

it contains the strong effect of dry years on mean

load (Table 3). In this way improved waste water

treatment alone does not guarantee the expected

improvement in water quality. In order to accom-

plish our objectives, diffuse load of BAP experi-

enced under mean hydro-meteorological

conditions (Scenario 2, Table 3) must be reduced

by 3–4 tons P year–1 in addition to improved

waste water treatment. This reduction is to be

Table 2 Present water quality targets prescribed for 2010

Basin Annual mean biomass
(mg chl a m–3)

BAP load
(tons P year–1)

1 7–14 21
2 6–12 15
3 4–8 8
4 3–6 12

BAP—biologically available P

Table 3 Maximal expected value of annual mean algal biomass in Basin 1 assuming three constant load scenarios derived
from past observations

Scenario Period
of past
observation

TP load
(tons P
year–1)

BAP load
(tons P
year–1)

2010 2025

Pmobil

(mg P g–1

dry mass)

Biomass
(mg chl a m–3)

Pmobil (Mg P g–1

dry mass)
Biomass
(mg chl a m–3)

1 1993–2003 37 ± 22 21 ± 12 0.066 16 0.056 13
2 1993–1999 50 ± 17 27 ± 10 0.077 18 0.074 17
3 2000–2003 15 ± 4 10 ± 2 0.047 11 0.022 5

TP—total phosphorus, BAP—biologically available phosphorus. Pmobil—mobil P content of the sediments. Estimates are
based on the relationship in Fig. 4b. Loads of Ca and suspended solids were also assumed to be constant
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realized in a socio-economic environment where

the unsustainable low level of fertilizer applica-

tion is expected to rise, and abandoned agricul-

tural areas are increasingly built in along the

shoreline.

Considering the fairly similar behavior of var-

ious basins on the OECD plot (Fig. 5), permitted

BAP loads can be expected to result in the desired

water quality in each area (Table 2) by 2025.

As a second step, present water quality targets

were supplemented with ecological criteria

(Table 4). Replacing the simple scheme of

Table 2 with a more complex classification sys-

tem (Table 4) demands additional effort from the

responsible authorities, which may reluctantly

accept the new criteria. Nevertheless, there are at

least three good reasons justifying our proposal.

(i) The foregoing analysis indicated that recovery

of Lake Balaton reached Stages 4 and 5. While

mean biomass of phytoplankton may allow prop-

erly assessing progress of eutrophication manage-

ment during Stages 1 and 3, the value of this

indicator diminishes when structural changes take

place during subsequent stages. (ii) Structural

changes precede quantitative changes. Therefore

properly elaborated structural indices may have

considerable predictive power during Stages 4

and 5. (iii) The European Water Framework

Directive urges classification of aquatic ecosys-

tems using ecological indices.

As discussed above, the Q index of Padisák

and coworkers (2003) is a suitable indicator of

structural changes of phytoplankton that has been

successfully tested in Lake Balaton at various

time scales (Fig. 7). Thus, the index was incorpo-

rated as one of the ecological criteria (Table 4).

The long-term relationship between biomass of

phytoplankton and that of chironomids (Fig. 8;

Specziár & Vörös, 2001) was used to derive

appropriate criteria concerning chironomid bio-

mass (Table 4). A structural index, similar to the

Q index has not been derived for the chironomid

fauna yet. At the same time, presence or absence

of Chironomus balatonicus was shown to basically

influence overall efficiency of energy transfer

from phytoplankton to fish. In this way abun-

dance of this key species reflects important

characteristics of ecosystem functioning. More-

over, among the 14 chironomid species inhabiting

Lake Balaton and known to be capable of bloom

formation, Ch. balatonicus was the single one that

produced the actual blooms up to now. Its mass

emergence attains an ‘‘intolerable’’ level when

the biomass of chironomids exceeds 3–4 g m–2.

The threshold behavior of Ch. balatonicus (Fig. 9)

allowed establishing ecological criteria in relation

to the abundance of this species (Table 4).

Although we aimed at setting up the ecological

targets in a consistent way, one cannot exclude that

various indicators occasionally result in divergent

classification. The question arises how an aggre-

gated index of ecological status can be determined.

One may accept the worst indication. Alterna-

tively, the aggregated index may be composed

from individual indices by appropriate weighting.

The final choice must be made after evaluating the

Table 4 The proposed ecological target system to be realized by 2025

Basin Ecological targets Permissible
TP loada

(tons P year–1)

Load
reductiong

(%)Phytoplankton Chironomidae

Annual MBb Q indexc Maximum MBe Ch. balatonicusf

mg chl a m–3 Value Classificationd g dry
mass m–2

ind m–2 Classificationd

1 14 6–8 Good 2.0 800 Good 37 17
2 12 6–8 Good 1.5 500 Good 21 54
3 8 8–10 Excellent 0.5 <1 Excellent 17 34
4 6 8–10 Excellent 0.5 <1 Excellent 22 24

MB—mean biomass. a—refers to the average of 5 years, yearly variability can reach ±50–60%. b—using the present
monitoring frequency. c—in the period July–September. d—scaling: ‘‘excellent’’, ‘‘good’’, ‘‘moderate’’, ‘‘satisfactory’’,
‘‘poor’’. e—in the period March to June. f—maximum density of Chironomus balatonicus larvae. g—relative to the present
load experienced in years of average runoff
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experience of experimental introduction of the

new targets during the next few years.

Unlike the present scheme that expresses

permissible load of P in terms of BAP, we

propose to relay on total P loads (Table 4).

Several conceptual and methodological problems

introduce an additional uncertainty into the

estimates of BAP load compared to that of total

P load. Undertaking this higher uncertainty has

been rational during the initial phase of eutro-

phication management, when the main effort had

to be concentrated on the reduction of loads from

point sources (Somlyódy & Jolánkai, 1986).

Future management, however, must focus on

the reduction of diffuse loads and therefore

BAP can be replaced with total P. The proposed

total P loads (Table 4) are equivalent to the BAP

prescriptions of the present scheme (Table 2).

The proposed values refer to loads during the

years of average runoff. Depending on the hydro-

meteorological conditions, the deviation may

reach ±50–60%.

Concluding remarks

During the initial stage of eutrophication man-

agement, the response of various shallow lakes

converges to a single pattern: ones the sum of

external and internal P loads reached capacity

limiting levels, the phytoplankton biomass de-

creases in proportion to P supply. Obviously,

long-term behavior of sediments determining the

magnitude of internal load cause large variability

with respect to timing and degree of recovery

(Marsden, 1989; Sas, 1989). Nevertheless, a sim-

ple targeting scheme that includes the clear

objectives (water quality to be restored) and the

prerequisites of accomplishing these objectives

(permissible loads) is satisfactory to orient both

managers and the public. At this early stage,

complicated targeting schemes should be avoided

since they likely to make confusion.

The situation changes when recovery comes to

the stage of re-organization of the aquatic ecosys-

tem. During this stage, the simple targeting system

should be replaced with one that integrates

specific ecological features of the individual lakes.

For example, biomass and composition of zoo-

plankton can be good indicators of recovery in the

majority of shallow lakes. In the specific geo-

morphological environment of Lake Balaton,

however, this group fails to properly indicate

trophic changes.

As demonstrated in our study, long-term

observations must be available about biota in

order to choose the most appropriate lake-specific

indices and to define a consistent set of ecological

criteria. Therefore we recommend including each

major group that may a priori be considered to

fulfill the role of an indicator in the given lake

into the monitoring program from the very

beginning of eutrophication management.
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EUTROPHICATION IN LAKES

Removal of agricultural non-point source pollutants
by ditch wetlands: implications for lake
eutrophication control
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Abstract Ditches grown with nature reed

(Phragmites communis Trin) and wild rice (Ziza-

nia latifolia Turcz) were selected to study the

removal capacity of agricultural non-point source

pollutants so as to find a way to alleviate

eutrophication in Lake Taihu. Ditches sediment

from depths below 40 cm can accumulate organic

matter and total nitrogen (TN). TN is correlated

positively to organic matter in reed populated

sediment and wild rice populated sediment. This

suggests that the main composition of TN is

organic nitrogen derived from plant decomposi-

tion. A significant negative relationship between

TN and pH was found in reed and wild rice

sediments. Seasonal harvest of helophyte vegeta-

tion is an effective method to remove N and

P from wetlands. Organic matter and TN con-

centrations in water and sediments (0–20 cm) in

areas where reeds were removed are lower than

non-harvested areas (control). Reeds and wild

rice have high uptake ability of nitrogen (N) and

phosphorus (P). However, the low economic

value of these plants will not stimulate voluntary

harvest of farmers. Zizania caduciflora Turez

Hand-mazt is a kind of vegetable widely culti-

vated in ditches around the lake. It can also

absorb N and P effectively. Thus, large scale

cultivation of Z. caduciflora to replace nature

plants may improve water quality.

Keywords Ditch wetland � Helophyte

vegetation � Non-point source pollutants

Introduction

Lake Taihu is the third largest freshwater lake in

China (Qin et al., 2007). Since the 1980s with

rapid economic development in the Lake Taihu

Basin, increasing nutrient loadings from point and

non-point sources have resulted in water quality

deterioration. Compared to oligotrophic condi-

tions in the 1950s, Lake Taihu is now eutrophic

(Huang et al., 2001). With enhanced control of

point-source pollutants, non-point sources are the

main influence on water quality of Lake Taihu.

Excessive chemical fertilizer application led to

large nitrogen (N) and phosphorus (P) increases

(Roth & Fox, 1990; Angle et al., 1993; Withers
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et al., 2001). In Lake Taihu, the amount of

fertilizers used (total pure nitrogen, phosphorus

and kalium) has doubled from about 400 kg ha–1

in the 1980s to 800 kg ha–1 at the end of the 1990s

(Gao et al., 2002). Uptake efficiency of chemical

fertilizers by crops is 25–35% for N (Li & Li,

2001) and 10–20% for P. About 20–25% of N and

20–40% of P applied to crops annually is carried

into ditches and channels with runoff and seepage

(Xu, 1996; Huang et al., 2001).

Wetlands are effective at trapping and remov-

ing N and P by sediment adsorption, decomposi-

tion by microorganisms and uptake by helophyte

vegetation (Raisin & Mitchell, 1995; Mitsch et al.,

2000; Kang et al., 2002; Jordan et al., 2003). In

many countries, constructed wetlands are used

to treat point or non-point source pollutants

(Fleischer et al., 1994; Spieles & Mitsch, 2000;

Braskerud, 2002). In general, constructed wet-

lands are small, making them difficult to develop

widely in China. However, there are irrigation

and drainage networks that divide croplands in

the lake basin. These ditches and channels are the

first convergence points for agricultural non-point

pollutants and conduits exporting nutrients to

rivers and lakes. Wetland plants are flourishing in

ditches and channels due to plentiful rainfall and

suitable climate. Large emergent plants growing

naturally in ditches and channels are reed (Phrag-

mites communis Trin) and wild rice (Zizania

latifolia Turcz), both of which have high capacity

for N and P uptake. In the growing season,

nutrients are assimilated and accumulated and

become plant biomass. Reeds and wild rice have

low economic value, and are difficult to harvest.

In winter and spring, the plants decompose and

release N and P, which may deteriorate water

quality of rivers and the lake (Tanner, 2001).

Many studies have focused on the transport

and transformation of N and P in constructed

wetlands. Much attention was paid to N and P

variations in wetland water (including inflow

and outflow), but accumulation and transforma-

tion processes in sediments were ignored

(Arheimer & Wittgren, 1994; Mitsch et al.,

2000; Jan, 2002). Removal mechanisms of N

and P in ditch wetlands with natural helophyte

vegetation are not often discussed, and few, if

any, economical methods to prevent secondary

pollution have been proposed. The objective of

this study is to identify factors affecting N and

P transformations in ditches and formulate a

plan to remove nutrients to alleviate surface

water enrichment.

Materials and methods

Experimental site

The experimental site (32�14¢ N, 119�52¢ E) was

located near Lake Taihu in a ditch wetland 600 m

in length and 20–30 m in width (Fig. 1). Reeds

and wild rice were growing abundantly in the

ditch. The reed area was about 1.4 ha (560 m

length · 25 m width) and wild rice was about

0.08 ha (40 m length · 20 m width). There is a

concrete weir to keep water in the wetland. Only

during flooding does water drain from east to west

through the weir. About 1.8 ha of Zizania cadu-

ciflora Turez Hand-mazt was planted in another

nearby ditch. The water table of the wetland in

summer was about 40–80 cm deep. Dry and wet

conditions alternated with the occurrence of

rainfall in winter. During the experiment, only

0.23 ha of cropland was arranged to drain agri-

cultural runoff into the wetland. Wheat and rice

were grown in rotation. The wheat growing

season was November to May of the next year

and June to October for rice. Wheat and rice

straws were returned to the soil after harvest.

There were 787 kg ha–1 urea (46.2% N) and

ammonia bicarbonate (17.1% N) and 1275 kg

ha–1 compound fertilizer (9% N and 7% P) used

on the cropland, equaling 607 kg ha–1 year–1 of N

and 90 kg ha–1 year–1 of P.

Sampling and analyses

Soil samples were taken from cropland, reed and

wild rice wetlands in September and December

2002 and March and June 2003 for analysis of

organic matter, total nitrogen (TN), NH4
+-N,

NO3
–-N, soil moisture and pH. Two sample

stations were selected in cropland and reed

wetland, and one in wild rice wetland due to the

small area (about 800 m2). At each station, there

were six layers of soil samples (0–10, 10–20,
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20–40, 40–60, 60–80, 80–100 cm depth) collected

using a 5 cm-diameter auger. During replication

of sediment sampling in the reed wetland, one

station was near the wild rice wetland (in the

harvested plot after October) and another was

about 150 m from the first (in the non-harvested

plot). Two soil sampling stations in cropland were

about 8–10 m from the wetland berm. Prelimin-

ary investigation showed little variation in nutri-

ent contents between the two stations. Soil

nutrient date reported in results is the average

of the two stations.

Water samples in wild rice and reed wetlands

were collected in September, November and

December 2002, and March and June 2003 to

analyze organic matter, TN, NH4
+-N, NO3

–-N, and

pH. Two or three water samples in each plot were

taken and mixed. In October 2002, about 1/3 of

the reed plant area adjacent to wild rice was

harvested. Sediment and water samples in the

harvested and non-harvested plot (control) were

taken. Comparison sampling in the reed wetland

was finished in March 2003.

Vegetation sampling was obtained from three

randomly selected stations in growing seasons.

Plant were sampled and separated into above and

below ground fractions after transport to the

laboratory. Plant samples were collected in

September 2002, and June and September 2003

to analyze N and P in leaf, stem and root

fractions. Characteristics of the helophyte plants

are shown in Table 1.

Chemical analyses were conducted based on

standard methodology (China Standard Press,

1998). Organic matter in water was determined

by dichromate oxidation and FeSO4 titration.

NH4
+-N concentration was analyzed using

Nessler’s reagent colorimetric method, and

NO3
–-N concentration was measured using spec-

trophotometry with phenol disulfonic acid. For

TN analyses, sample was acidified with H2SO4 to

pH < 2 and subjected to Kjeldahl digestion and

analysis by colorimetry. pH was measured with a

glass electrode. All analyses in water were

finished within 48 h.

For analyses of NH4
+-N and NO3

–-N in soil,

fresh samples were collected in pre-weighted

aluminum cans and refrigerated immediately to

prevent transformation of inorganic nitrogen.

NH4
+-N and NO3

–-N were extracted with 2 M

Ditch wetland grown 

with wild rice (40 m 

length×20 m width)  

Cropland

0.23 ha

Channel

Weir

Ditch wetland 

grown with 

reed (560  m 

length×25 m 

width)

N

Fig. 1 Schematic illustration of ditch wetland in experimental site

Hydrobiologia (2007) 581:319–327 321

123



KCl by shaking for 1 h with a reciprocal shaker.

Determination of NH4
+-N and NO3

–-N in extracts

were the same as above.

Samples for organic matter, TN and pH were

collected in plastic bags, air dried for about

1 month in the laboratory, sieved through a

2-mm stainless steel sieve, and kept in brown

glass bottles. TN was analyzed using the semi-

micro Kjeldahl method, and produced NH4
+ was

collected in a boric acid solution and titrated with

H2SO4. Samples for pH analysis were extracted

with 0.01 M CaCl2 and measured with a glass

electrode. Organic matter content was analyzed

using potassium dichromate-sulfate oxidation

method.

Plant samples, including above and below

ground parts, were cleaned and oven-dried at

105�C for 1 h and 80�C for an additional hour.

After being cooled, the samples were ground and

kept in brown glass bottles. Nutrients in roots,

leaves, and stems were analyzed separately.

N and P were analyzed via H2O2/H2SO4 digestion

and measured colorimetrically. Biomass was cal-

culated based on fresh and dry weight and surface

area of the sampling plot.

Results

Accumulation of organic matter and TN

in cropland soil and wetland sediment

Organic matter in cropland soil likely comes from

decomposition of crop remains since farmers no

longer applied organic fertilizer. When rice and

wheat were harvested, only usable parts were

removed, and leftover straw was ploughed into

soil, which became the organic matter and TN

source. Above 60 cm, organic matter content and

TN decreased with depth and varied little below

60 cm (Figs. 2, 3). TN was highly correlated with

organic matter.

Organic matter and TN also were correlated in

wetland sediment (Figs. 4, 5), with r = 0.97

(n = 27, significant level at P < 0.001) in the reed

ditch and r = 0.91 (n = 19, P < 0.001) in the wild

rice ditch. Therefore, TN in wetlands was com-

posed of organic N from plant decomposition.

Organic matter and TN concentrations from 0

to 100 cm in rice and wheat soil decreased with

depth, but, in reed and wild rice sediments, lowest

concentrations occurred at 20–40 cm and in-

creased below 40 cm (Figs. 2, 3). Therefore,

Table 1 Character of plants (average analyzed result of September 2002, June 2003 and September 2003)

Character Reed Wild rice Z. caduciflora Rice

Height (m) 2.3–3.1 1.47–1.5 2.1–2.2 0.83–0.85
Root length (cm) 27–62 35–47 38–50 10–18
Density (individual m–2) 200 184 64 192
Fresh weight of leaf and stem
(g individual–1)

61.36 21.01 73.34 7.57

Water content of plant (%) 55.56 80.30 76.34 58.12
Fresh weight (kg ha–1) 122,720 38,658 46,938 14,534
Dry weight (kg ha–1) 54,537 7,615 11,106 6087
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Fig. 2 Contents of organic matter in different layers of
field soils (grown with rice and wheat) and wetland
sediments (grown with reeds and wild rice) during the
period 2002–2003. (S: in September 2002; D: in December
2002; M: in March 2003; J: in June 2003)
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organic matter and TN can accumulate in deep

layers of wetland sediment.

In sediment above 40 cm, organic matter and

TN varied with seasons. Variability in wet sedi-

ment was higher than dry soil suggesting that

organic matter and TN in wetland surface layers

decomposed more quickly due to dry and

wet alternation.

Nutrients in harvested plot and in control

The reed wetland adjacent to wild rice was

harvested in October 2002. After 20 days, water

turbidity in the reaped area was lower than the

non-harvested area (control). Organic matter and

TN were 21.33 and 1.04 mg l–1, respectively, in

water of the reaped area, which were lower than

those (28.4 and 1.22 mg l–1, respectively) in the

control. In December 2002 and March 2003,

sediment organic matter and TN from 0 to 10

and 10 to 20 cm in the harvested area also were

lower than the control (Fig. 6). Therefore, har-

vesting plants in autumn may reduce organic

matter and TN accumulation in wetland water and

surface sediment. However, NH4
+-N and NO3

–-N in

harvested and non-harvested plots were different

from organic matter and TN (Fig. 7). Compared

to the non-harvested area, inorganic N from 0 to

10 and 10 to 20 cm in harvested area was high

(except low NO3
–-N in 10–20 cm in March 2003).

Increased NH4
+-N and NO3

–-N likely came from

organic N decomposition.

y = 0.0497x+ 0.1437 
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Significant relationships were found among

water TN, NH4
+-N and NO3

–-N in reaped and

control plots in the reed wetland. The regres-

sion equation for TN and NH4
+-N is

Y = 0.128X – 0.0338, r = 0.90 (n = 5, significant

level at P < 0.05, n is the number of samples

obtained in harvested and non-harvested plots

and in different times), and TN and NO3
–-N is

Y = 1.6935X – 0.7413, r = 0.96 (n = 5, P < 0.01).

These relationships suggest that TN mineraliza-

tion is an important source of NH4
+-N and

NO3
–-N.

Relationship between TN and pH

Nutrient transformation in soil and sediment will

cause variation of pH, which may promote

chemical reactions. Organic matter and TN in

surface soil were high and decreased with depth.

In reed and wild rice sediments, organic matter

and TN decreased in 0–40 cm, and then increased

below 40 cm (Figs. 2, 3). However, pH variation

was opposite (Figs. 8, 9). Lower pH coincided

with higher organic matter and TN. TN in

sediments and soil are negatively correlated with

pH. The regression coefficient (r) is –0.78 (n = 23,

P < 0.001) in soil, –0.82 (n = 27, P < 0.001) in

reed sediment, and –0.69 (n = 19, P < 0.01) in

wild rice sediment.

An effective method to remove N and P

by plants

Plants are growing naturally in ditch wetlands in

the Lake Taihu basin. In late June, reeds and wild

rice are fully grown. Plant height, root length,

density, fresh weight and water content were

measured in September 2002 and June and

September 2003 (Table 1). Mean dry reed

and wild rice output were 54,537 and

7,615 kg ha–1 year–1, respectively. Leaf and stem

N and P concentrations are shown in Table 2.

There were 818 kg ha–1 N and 103.6 kg ha–1 P
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removed after reeds harvest and 131 kg ha–1 N

and 28.9 kg ha–1 P removed by wild rice in

autumn. Nutrient uptake by above-ground reed

parts is lower than wild rice, but its larger biomass

provides high N and P removal capacity.

Zizania caduciflora Turez Hand-mazt is a kind

of vegetable and also a perennial aquatic plant

similar to wild rice in morphology and ecology. It

can assimilate 200 kg ha–1 N and 21.1 kg ha–1 P in

a year (Table 2). Compared with reeds and

wild rice, average N content in above-ground

parts of Z. caduciflora is higher, and P content

is similar to reeds but lower than wild rice

(Table 2). Therefore, planting Zizania caduciflora

Turez Hand-mazt to replace natural reeds and

wild rice may absorb N accumulated in ditch

wetland sediment and alleviate eutrophication in

lakes and rivers, but P removal is not as good as

natural plants.

Discussion

Inorganic fertilizers used on crops were the

primary N and P source in the experimental site.

Organic matter and TN in cropland and wetland

come from decomposition of plant remains,

because farmers no longer use organic fertilizer.

In general, inorganic N comprises <5% of TN

(Rene et al., 1991; Bai et al., 2002). TN is corre-

lated with organic matter in soil (Yang et al.,

2002) and sediments (Figs. 4, 5). However, verti-

cal and spatial distributions of organic matter and

TN in cropland soil and wetlands sediment were

different.

In rice and wheat soil, organic matter and TN

from 0 to 100 cm decreased gradually with depth,

but, in reed and wild rice sediments, lowest

concentrations occurred in 20–40 cm and

increased below 40 cm (Figs. 2, 3). Organic mat-

ter and TN decreased from 0 to 40 cm resulted

from decomposition by large numbers of micro-

organisms in the root zone (Peder & Stefan,

1997). Compared with field soil, wetlands sedi-

ment contained more organic matter and TN

below 40 cm. Therefore, wetlands can accumulate

non-point source pollutants.

Organic matter and TN varied with season in

surface sediment, more intensively than in soil,

because of alternate aerobic and anaerobic con-

ditions (Reddy & Patrick, 1975; Martin et al.,

1997), which accelerated decomposition of

organic matter and N in wetlands. In addition,

cover and removal of plants also affected organic

matter and N transformation in surface sediment.

When reeds were harvested, improved transpar-

ency and aeration accelerated mineralization of

organic matter and TN and led to a decrease in

sediments from 0 to 20 cm (Fig. 6). Organic N

mineralization was correlated with inorganic

nitrogen (Tanner et al., 2002). NH4
+-N and NO3

–-

N from 0 to 20 cm in the sediment of harvested

area were higher than the control. Significant

relationships among TN, NH4
+-N and NO3

–-N in

reed wetland water were found. Therefore,

organic nitrogen mineralization in the wetland

was an important inorganic N source in addition

to cropland runoff (Kovacic et al., 2000; Borin

et al., 2001; Berit & Hans, 2002). Mineralization

likely increased NH4
+-N and NO3

–-N concentra-

tions in wetland water temporarily, but TN in

sediment decreased permanently. Therefore,

harvest of dense plants removed pollutants from

wetlands and accelerated organic matter and TN

decomposition.

In general, high microorganism biomass occurs

with high organic matter content and TN. Organic

matter and TN decomposition by microorganisms

changes pH. Organic matter produces organic

acids during decomposition, and TN release H+

when oxidized to NO3
–-N by ammonification and

nitrification. These reactions result in decreased

Table 2 Average contents of N and P in the part of plants above-ground and harvested amount of nutrients in a year

Tissue Zizania caduciflora Wild rice Reed Rice

N P N P N P N P

Leaf and stem (g kg–1) 18.0 1.9 17.2 3.8 15.0 1.9 14.0 1.7
Harvested amount (kg ha–1) 200 21.1 131 28.9 818 103.6 85.2 10.3
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pH. Nitrification contributes to a pH decrease of

two standard units according to DeSimone

(1998).

On the basis of 607 kg ha–1 N and 90 kg ha–1

P fertilizer application in this region, and 20–25%

N and 20–40% P loss rates according to Huang

et al. (2001), 1 ha of reed wetland will remove N

discharged from 5.4 to 8.0 ha of cropland and P

discharged from 2.9 to 5.8 ha of field. Wild rice

wetland can remove N from 0.9 to 1.3 ha of

cropland and P from 0.8 to 1.6 ha of field

annually. Therefore, plants are effective at

removing agricultural non-point pollutants

(Eriksson & Weisner, 1997; Li, 1997; Yang,

1998; Rickerl et al., 2000).

Despite high uptake ability of N and P by reeds

and wild rice, wild plants have little economic

value and cannot attract harvest of farmers. In

winter and spring, the plants die and decompose

to release N and P again, which causes secondary

pollution. Z. caduciflora is a plant with value and

is planted in the Lake Taihu basin. It has large

biomass and high absorption capacity of N

and P (Tables 1, 2). From August to September,

Z. caduciflora is reproducing and requires high

nutrient supply (Qiu et al., 2002). This is the same

period for rice harvest, which requires fertilizing

and irrigating. High nutrient concentrations in

agricultural drainage meet the demand for rapid

growth of Z. caduciflora. The growth period of

Z. caduciflora is from March to September,

similar to reeds and wild rice, coinciding with

the growth period for wheat and rice rotated in

crop fields. Z. caduciflora can absorb effectively

N and P (Liu et al., 2002) discharged from field.
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