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Abstract In this chapter, we review human health effects associated with the

brominated flame retardants (BFRs) that have constituted the overwhelming maj-

ority of BFR production and subsequent exposure in humans. These include

tetrabromobisphenol A (TBBPA), hexabromocyclododecane (HBCD), and three

commercial mixtures of polybrominated diphenyl ethers (PBDEs), or biphenyl oxi-

des, which are known as decabromodiphenyl ether (DecaBDE), octabromodiphenyl

ether (OctaBDE), and pentabromodiphenyl ether (PentaBDE). The primary endpoint

of concern appears to be endocrine disruption. Other potential effects include hepa-

totoxicity and neurotoxicity, the later particularly during development. While the

toxicological database for these chemicals is growing, further research is needed to

understand potential health effects associated with less-studied PBDE congeners,

examine the potential carcinogenicity of HBCD and TBBPA, and investigate the

overall toxicity of a number of developing alternative BFRs. The increasing

contamination of the environment and people by BFRs coupled with clear

evidence of adverse health effects resulting from their exposure highlights the

importance of identifying emerging issues and data gaps to fully understand the

human health risks.
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1 Introduction

In this chapter, we review the human health effects associated with five BFRs that

have constituted the overwhelming majority of BFR production and subsequent

exposure in humans. These include tetrabromobisphenol A (TBBPA), hexabromo-

cyclododecane (HBCD), and three commercial mixtures of polybrominated diphe-

nyl ethers (PBDEs), or biphenyl oxides, which are known as decabromodiphenyl

ether (DecaBDE), octabromodiphenyl ether (OctaBDE), and pentabromodiphenyl

ether (PentaBDE). The majority of data characterizing toxicity in humans are

associated with exposures to PBDEs, though limited data are available for both

TBBPA and HBCD. For the later compounds, a more comprehensive overview of

the data reported in animal studies is provided. For PBDEs, the primary focus is on

information reported in humans, though a discussion on the relationship of human

to animal data is also included.

2 Polybrominated Diphenyl Ethers

The majority of laboratory studies on PBDEs published to date have focused

on the commercial mixture, PentaBDE, or the individual congeners contained

in PentaBDE (primarily BDEs 47 and 99); however, a number of studies are

available reporting on exposures to other commercial mixtures, OctaBDE and

DecaBDE, or their primary congeners. Similarly, epidemiological studies have

also focused on effects associated with exposure to BDEs 47 and 99, as they are

the most commonly measured PBDE congeners in humans and tend to be asso-

ciated with greater toxicity in animal studies relative to other congeners. How-

ever, an increasing number of studies have reported on BDEs 100, 153, 154, and

183; very little is still known about the human toxicity of the fully brominated

congener, BDE 209. In this section, an overview of the published data in animal
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studies is provided, followed by a detailed discussion of the health effects

observed in humans.

2.1 Health Effects in Laboratory Studies

Although most of the studies on PentaBDE are based on the oral route of exposure,

a limited number of studies have demonstrated toxicity following high-dose inha-

lation exposures and a general lack of toxicity following dermal exposures [1, 2].

Studies in rats and mice consistently indicate that the liver is a target organ following

exposure to PentaBDE or OctaBDE congeners. Effects include increased enzymatic

activity, increased liver weight, histopathological changes, and disruptions to

normal function [3]. Changes in thyroid hormone levels (also a common finding)

have been linked to changes in metabolic function of the liver. Although there is a

great deal of controversy, a series of studies have demonstrated neurobehavioral

effects in mice following exposure to several PentaBDE congeners [4]. Studies in

bacteria indicate that PentaBDE is not mutagenic; these data are supported by

studies in mammalian cells. A number of in vitro and in vivo studies have also

suggested reproductive toxicity and developmental neurotoxicity following expo-

sure to a number of lower brominated BDE congeners.

The most comprehensive study on any PBDE compound was recently completed

by the National Toxicology Program [5]. DE-71 was tested using a 2-year bioassay

that included carcinogenicity, acute and chronic toxicity, genetic toxicity, and

toxicogenomics. Presently, only the subchronic data are available for 13-week

exposures. Results indicate adverse toxicity in the liver (the primary target) in

both rats and mice as demonstrated by increases in a number of phase I and II

enzymes, pathological changes, and increases in liver weight.

The toxicity of OctaBDE compounds has been evaluated in laboratory animals

primarily via oral exposure, though toxicity following inhalation has also been

assessed. These compounds are generally of low acute toxicity [4]. Toxicities follow-

ing repeated exposures tend to be in the liver and include induction of hepatic

enzymes, increased liver weight, hyperplastic nodules, and enlargement of the liver.

Other effects include increases in thyroid weight and altered levels of thyroid hor-

mones. OctaBDE (the commercial mixture itself) does not cause skin or eye irritation,

or sensitization in animal studies, nor is it classified as a mutagenic compound based

on Salmonella tests. Developmental studies have demonstrated mixed findings,

although they suggest the potential for effects related to changes in thyroid hormones.

Data have also been published providing suggestive evidence for developmental

neurotoxicity [6, 7] associated with a hexa-substituted congener found in OctaBDE

(BDE 153). Research studies are not available to characterize chronic exposures,

carcinogenicity, or reproductive effects.

DecaBDE, or BDE 209, has been evaluated less often than the other compounds,

even though it is the most widespread BDE congener in use. Bacterial tests indicate

that BDE 209 is not mutagenic. Additionally, studies in mice suggest evidence for
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thyroid hormone disruption and delayed developmental neurotoxicity [8]. Neonatal

exposure to DecaBDE in mice resulted in a dose-related reduction of serum

thyroxine levels in males and delayed development of the palpebral reflex in infants

[9], and disruption of normal sex- and age- specific characteristics of spontaneous

locomotion in adults. Additionally, impairment in performing behavioral tasks was

observed in aging mice following neonatal exposure to DecaBDE, while minimal

impairment was observed during young adulthood [10]. Disruption of normal

spontaneous behavior has also been reported in other studies on mice and rats

following neonatal exposure [7, 11]. In a recent study, Xing et al. [12] showed that

exposure to BDE 209 during five different developmental periods could lead to

impaired synaptic plasticity in adults, and exposure during lactation was the most

sensitive scenario. Chronic, oral exposure studies have demonstrated that very high

doses of BDE 209 result in hepatic carcinogenicity in rodents [8, 13]. Additionally,

follicular cell hyperplasia incidence increased significantly in male mice, and the

incidence of thyroid gland follicular adenomas/carcinomas was slightly increased

in treated mice of both sexes.

2.2 Effects in Humans

Studies characterizing potential effects in humans have been relatively limited until

recently. As public health interest increases, additional epidemiological investiga-

tions are being conducted and published. These studies generally focus on three

main outcomes: endocrine disruption, neurotoxicity, and reproductive toxicity (and

are discussed as such in this section). The latter two outcomes could both be related

to endocrine disrupting effects, lending mechanistic support to the overall findings.

The available epidemiological studies tend to be based on key toxicological find-

ings in laboratory studies as well as knowledge about compounds with similar

structure, such as the polychlorinated biphenyls (PCBs). It is important to note that

none of the available studies evaluated BDE 209, the most highly substituted

congener, and thus this congener is excluded from the generalizations and trends

discussed in this section.

2.2.1 Thyroid Hormone Disruption

The majority of studies in human populations have evaluated disruption of the

endocrine system, and most of the focus has been on disruption of thyroid hor-

mones. This is due mainly to the similarity in structure between PBDEs and thyroid

hormones triidothyronine (T3) and thyroxin (T4), and thus the potential for PBDEs

to mimic and disrupt homeostatic conditions. Furthermore, data in laboratory

studies demonstrate altered levels of thyroid hormones following exposures to

PBDEs in rodents. Some studies have also reported hyperplastic changes in the
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thyroid [14]. Studies in animals have indicated the potential for hydroxylated

PBDEs to also interfere with thyroid hormones.

One of the first studies evaluating the potential association between PBDEs and

levels of hormones was published by Hagmar et al. in 2001 [15]. These authors

assessed associations (after correcting for age) between levels of several persistent

organohalogens and a variety of hormones in men who consumed fatty fish from the

Baltic Sea. Only two associations were found, one with pentachlorophenol, and a

negative association between thyroid-stimulating hormone (TSH) and BDE 47. It is

important to note that although the authors noted a relationship, they also stated that

given the number of evaluations conducted, there could be some significant corre-

lations that resulted from pure chance. Furthermore, the TSH levels measured in

the population were all within normal reference ranges. The author’s ultimate

conclusion was that the results suggest that it was very unlikely that even a high

consumption of such fish polluted with organohalogens would cause disturbances

of circulating hormone levels.

Shortly after this investigation, Mazdai et al. [16] published findings of a small

(n ¼ 12), but important study. In a dataset consisting of paired maternal and cord

blood samples, the authors reported that fetal concentrations of PBDEs were very

similar to that measured in the mother. Thus, the findings demonstrated that for

BDEs 47, 99, 100, 153, 154, and 183, maternal serum concentrations are good

predictors of fetal exposures. These data are particularly important, given the role

of thyroid hormones during development (including in utero). These authors also

evaluated thyroid hormones (T3 and T4; total and free) in the paired maternal and

fetal samples, though no correlations were found between concentrations of PBDEs

and hormone levels. Furthermore, there were no associations between PBDE

concentrations or clinical parameters, including infant birth weight.

Another small-scale study in Sweden evaluated thyroid hormones with few

significant findings [17]. This group of investigators assessed the concentration of

PBDEs in serum and thyroid status in a small group of workers from an electronic

recycling facility. Samples were collected from 11 workers before beginning work

at the facility, and thereafter at defined intervals, including measurements following

vacation periods. Only seven BDE congeners were measured; levels of BDE 47

were highest, followed by 153 and 99. The authors did not find a consistent increase

in concentration with increasing length of exposure (employment). Despite a number

of approaches for evaluating thyroid hormones, no significant findings were noted

when all data were considered; specifically, no correlations were found between

PBDE concentrations and T3, T4, or TSH. Limited correlations were observed on

an individual level for three workers. However, the authors noted that all of the

levels were within the laboratory reference range and also within the normal

physiological range. These findings led to the conclusion that no relevant changes

were present in relation to PBDE exposures in the study.

Since 2008, there have been an increasing number of well-conducted studies

focused on the association between PBDEs and thyroid homeostasis, all of which

examined much larger populations. In an interesting study of Chinese workers from

an e-waste dismantling site, Yuan et al. [18] evaluated serum concentrations of
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PBDEs, TSH levels, the frequency of micronucleated binucleated cells, and bio-

markers of oxidative stress in blood and urine. The objective was to explore factors

that may influence selected biomarkers for exposure to e-wastes. Although the

PBDE congeners measured were not stated (results only provided as sums),

the authors reported that the median serum concentration was 382 ng/g lipid in

the e-waste workers and 158 ng/g lipid in the control group (a group located ~50 km

from the e-waste facility). The median serum TSH level was significantly higher in

the workers as compared to the control group. The frequency of micronucleated

cells was 5% in the exposed group and 0% in the control group, thus suggesting an

association between exposures to e-waste and DNA damage. However, no differ-

ences were observed for other markers of DNA damage (8-hydroxy-20-deoxygua-
nosine levels in urine, or SOD, MDA, and GSH levels). Using logistical regression,

the authors reported that working with e-wastes was the only significant predictor

of the increased micronucleated cell frequency, and no factors were associated

with increased serum TSH levels. The authors concluded that exposures to

other compounds (such as PAHs or metals) may have been responsible for the

observed genotoxic effects; however, PBDEs were associated with altered levels

of TSH, suggesting potential adverse effects to the thyroid hormone system in

these workers. More recently, Wang et al. [19] reported that people working in

e-waste recycling had significantly lower TSH compared with control groups.

Additionally, these authors noted a positive association between BDEs 205 and

126 with levels of T4.

Turyk et al. [20] reported on hormone disruption in adult male sport fish

consumers. This group of researchers invited participants from a previously studied

cohort of frequent and infrequent consumers of Great Lakes fish to participate in a

follow-up study on PBDE exposures. Approximately 300 men provided informa-

tion on fish consumption, medical diseases, use of medications and supplements, as

well as blood and urine samples for the study. All samples were analyzed for

thyroid and steroid hormone levels as well as concentrations of PBDEs in an effort

to determine whether PBDE body burdens were related to hormone levels. Asso-

ciations between hormones and ∑PBDE levels (∑PBDE ¼ BDE congeners 28, 47,
49, 85, 99, 100, 138, and 153), as well as BDE 47 alone, were modeled using linear
regression with consideration for a number of confounding variables (e.g., body
mass index, age, serum lipids, smoking, fish meals, etc.). Dose–response relation-
ships were evaluated for ∑PBDE levels by quartile and for individual BDE con-
geners 47, 99, 100, and 153 by tertile.

The median ∑PBDE concentration was 38 ng/g lipid (range of 16–1,360 ng/g
lipid). ∑PBDE concentrations were positively related to measures of T4 (total T4,
free T4, and urinary T4), rT3, and the percentage of T4 bound to albumin. In
contrast, ∑PBDE concentrations were inversely related to total T3, TSH, and the
percentage of T4 bound to thyroid-binding globulin (TBG). Associations were less
apparent and generally inconsistent when evaluated with BDE 47 alone. For both
sets of evaluations, statistical significance was often dependent on adjustment for
other hormone levels and/or other DDE; thus the associations were difficult to
interpret. Dose–response evaluations with ∑PBDE concentrations were also difficult
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to interpret given the large variability between quartiles; however, the authors
reported positive relationships for urinary T4. Only the highest quartile was elevated
for free T4, rT3, and T4 binding to serum proteins. Total T3 was negatively
associated by quartile. No dose–response relationship was observed for total T4
and TSH. When evaluated by individual congener, urinary T4 was the only parame-
ter that exhibited a positive dose–response relationship with all congeners evaluated.
Trends were not apparent or inconsistent for other congeners or parameters.

Importantly, these findings suggest independent pathways for the various BDE

congeners evaluated with respect to several effects on thyroid hormones. The

authors speculated that some of the observed associations suggested a role of

thyroid hormone deiodinases, given their key role in maintaining thyroid homeo-

stasis, and specifically an effect between PBDE exposure and deiodinase activity.

The overall conclusion by the authors was that PBDE exposure at levels consistent

with those observed in the general US population was associated with increased

thyroglobulin antibodies and increased T4 in adult males. However, the authors did

not compare the reported hormone or steroid levels to those measured in the general

population, and thus the clinical significance of the findings is unclear, particularly

considering that none of the cohort participants had diabetes, thyroid disease, or

other conditions that could correlate PBDE levels to disease. Their results were

initially a surprise, given the lack of consistency with the effects observed in animal

studies.

In another study published the same year, Herbstman et al. [21] reported on the

relationship(s) between cord serum concentrations of PBDEs and thyroid hormones

from cord blood serum and neonatal blood spots in an effort to understand if PBDEs

alter umbilical cord levels of thyroid hormones. Furthermore, the authors wanted to

understand if the birth delivery mode modified any such associations, given that

intrapartum stress could substantially change thyroid hormone levels (and thus

potentially mask effects of xenobiotic exposures). Using linear regression, crude

and adjusted relationships between log PBDE concentrations (based on individual

BDE congeners) and total T4 (TT4), free T4 (FT4), thyrotropin, and TSH were

evaluated. Although BDE 100 and 153 were weakly associated with average lower

TT4 in cord blood, no significant relationships were observed. When considerations

for delivery type (i.e., spontaneous unassisted vaginal delivery [SUVD] vs. all other

types) were included in the model, higher levels of three congeners (BDEs 47, 100

and 153) were associated with lower TSH, though the associations were not

statistically significant. However, higher concentrations of BDE 100 were signifi-

cantly associated with lower TT4 in babies born via SUVD. The authors concluded

that umbilical cord levels of PBDEs were not associated with higher TSH or FT4. It

is of interest to note that this study also evaluated a number of PCB congeners;

associations between effects on thyroid hormones and PCBs were much stronger

than with PBDEs.

A separate group of researchers also evaluated both PCBs and PBDE exposures

with respect to adverse effects on thyroid hormones. Chevrier et al. [22] first

evaluated associations between PCB exposures and thyroid hormones in population

of pregnant low-income Latina women in California; in a separate study, they

Human Health Effects of Brominated Flame Retardants 25



evaluated relationships between PBDE concentrations and thyroid function. Based

on the data collected in 1999/2000, multiple linear regression models were used to

evaluate the relationship between maternal PBDE concentrations and thyroid

hormones (and also included analyses based on clinical definitions of maternal

hyperthyroidism). Concentrations of PBDEs were lower than those observed in the

general US population and were dominated by BDEs 47, 99, 100, and 153 (BDEs

17, 66, 85, 154, and 183 were detected in fewer than 50% of the samples and thus

were not considered in the health-based analyses). Associations between PBDEs

and free and total T4 were not statistically significant, though both individual

congeners and sum PBDEs were inversely associated with TSH levels. Associa-

tions were not linear, though when evaluated by quartile, data demonstrated

suggestive evidence of a non-monotonic exposure–response relationship (based

on increased odds of subclinical hyperthyroidism in the fourth quartile relative to

the first). The authors concluded that the data suggest PBDE exposures are asso-

ciated with lower TSH during pregnancy, and altered thyroid homeostasis has been

shown to be particularly harmful to the developing fetus.

A group of researchers in the USA evaluated associations between the concen-

trations of PBDEs in house dust and hormone levels in a small group of men

(n ¼ 24) recruited from an infertility clinic [23]. BDE 47 and 99 were detected in

all house dust samples; BDE 100 was detected in 67% of samples. The authors

showed that PBDE concentrations in house dust were positively associated with

free T4. Because the authors did not evaluate levels of PBDEs in serum, it is very

difficult to interpret these findings without direct correlations between dust expo-

sure and serum concentrations in this population, although such a correlation has

been seen in other populations. The authors also point out that their results are

preliminary and could be due to chance.

When the thyroid hormone disruption data are considered collectively, it is

difficult to generate a conclusion given the lack of consistency between studies.

Many different populations have been studied worldwide, including both occupa-

tionally exposed cohorts and sensitive cohorts (e.g., pregnant women and infants).

The difficulties in finding consistencies may be due to the fact that many of the

studies did not evaluate the same congeners, nor did they conduct congener-specific

analyses, but rather depended on analyses based on the sum of PBDEs measured

(which was also not consistent among studies). Furthermore, measurement of

thyroid hormones is often subject to a large amount of analytical sensitivity and

variability. Importantly, though several of the studies available looked at key

parameters, very few evaluated enough parameters (or accessory information) to

fully interpret changes in thyroid hormone status. Despite these limitations, the

evidence suggests that serum concentrations of PBDEs, and some congeners in

particular, are associated with altered levels of thyroid hormones. The data support-

ing an inverse association with TSH were the strongest, though not all studies

consistently reported such. Most studies reported a lack of correlation with T4.

Most authors did not evaluate the clinical relevance of changes in thyroid hormone

levels – this type of information is a key to determining the impact on human health.

Thus, in summary, additional studies are needed to clarify the findings published to
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date and to further characterize the relationship between PBDE exposure and

changes to the endocrine system in humans.

2.2.2 Diabetes

Lim et al. [24] conducted a cross-sectional evaluation of the National Health and

Nutrition Examination Survey (NHANES) data in an effort to identify potential

associations between BFRs and diabetes and/or metabolic syndrome in the US

population. The NHANES dataset is a part of a large-scale biomonitoring effort led

by the Centers for Disease Control and Prevention, designed to characterize the

health and nutritional status of the general US population. It is often used as the

primary source for establishing “reference ranges” of exposure to various environ-

mental compounds; however, the usefulness for evaluating health status is highly

dependent on the outcome of interest. In this study, the authors relied on self-

reported data regarding medications for treatment of diabetes or measurements of

plasma glucose (not all of which were fasting). Similarly, diagnosis of metabolic

syndrome was based on meeting various criteria (e.g., fasting glucose, waist

circumference). These outcomes were evaluated relative to serum concentrations

of BDE congeners that were above the analytical limit of detection in at least 60%

of the study population; thus analyses were limited to BDEs 28, 47, 99, 100, and

153. Participants with serum concentrations less than the limit of detection were

used as the reference group; the remaining participants were evaluated by quartiles

using logistic regression models.

After adjusting for several confounding variables, there was a nonlinear associ-

ation with diabetes for BDE 153. Statistically significant associations were not

observed for the other congeners. A similar finding was noted by the authors for

metabolic syndrome: only BDE 153 showed a weak association, though it was a

U-shaped curve when evaluated by quartile. The authors state that the findings

should be interpreted with caution due to the cross-sectional nature of the study and

because of multiple comparison intrinsic to the dataset (e.g., complex weighting,

many compounds evaluated, etc).

2.2.3 Neurotoxicity

A handful of studies have been published recently addressing neurotoxicity out-

comes in human populations and potential associations with PBDE exposures.

These types of studies are a result of laboratory studies in rodents indicating the

potential for neurotoxicity following developmental exposure to several BDE

congeners (reviewed by [25]), and also because of structural similarity to known

neurotoxic substances, particularly PCBs. The first study was published in 2009 by

Roze et al. [26] and was based on findings from a prospective cohort study

evaluating neuropsychological function in 62 children in the Netherlands. Blood

levels of ten organohalogen compounds including BDEs 47, 99, 100, 153, and 154,
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as well as HBCD were measured in mothers during the 35th week of pregnancy.

Thyroid hormones were also measured in umbilical cord blood samples. At ages

5–6, children were then evaluated for motor performance (coordination, fine motor

skills), cognition (intelligence, visual perception, visuomotor integration, inhibitory

control, verbal memory, and attention), and behavior. Correlations were evaluated

between the concentrations of the organohalogen compounds in the mothers before

birth and the functional analyses in children, both with and without correction for

socioeconomic status, sex, and home observation for measurement (HOME, which

the authors indicated may exert an influence on the cognition and behavior of the

children).

The authors reported that brominated flame retardants (BFRs) were correlated

with worse fine manipulative abilities, worse attention, better coordination, better

visual perception, and better behavior. The congener-specific data without correc-

tions showed that BDE 47 was negatively associated (described as a worse out-

come) with sustained attention, but positively associated (described as a better

outcome) with internalizing behavior, total behavior outcome, and coordination.

BDE 99 was positively correlated with internalizing behavior and total behavioral

outcome. BDE 100 was positively associated with coordination, internalizing

behavior, externalizing behavior, and total behavioral outcome. BDE 153 was

positively correlated with visual perception. BDE 154 was negatively correlated

with fine manipulative abilities, and HBCD was positively associated with coordi-

nation. Thus, the majority of outcomes with significant correlations were positive

(11 of 13); only BDE 47 and BDE 154 exhibited negative correlations. When the

data were corrected for SES, sex, and HOME, 16 correlations were noted for the

BFRs in this study. All significant correlations with HBCD were positive (coordi-

nation, total intelligence, and verbal intelligence). BDE 153 was negatively asso-

ciated with verbal memory. BDEs 47, 99, and 100 were negatively associated with

sustained attention. BDE 47 was positively associated with selective attention and

internalizing behavior. BDEs 99 and 100 were positively associated with total

behavior outcome and internalizing behavior.

Regarding the conflicting (positive and negative) correlations between BFRs and

outcome, the authors stated “it is difficult to determine implications of these results

for functioning later in life.” The authors also noted that it was difficult to determine

which effects could reliably be assigned to the specific contaminants, particularly

considering colinearity issues. Furthermore, many other contaminants, such as

methyl mercury (a known developmental toxicant), may also have played a role

(but were not measured in the current study). Thus, given the conflicting nature of

the results and limitations in the study design, the findings are difficult to interpret

with respect to evaluating human health risk.

In an effort to follow-up on animal studies suggesting neurodevelopmental

effects following exposures to PBDEs, Herbstman et al. [27] conducted a prospec-

tive cohort study to evaluate the potential associations between prenatal exposure to

PBDEs and neurodevelopment. The authors relied on a cohort initiated after

11 September 2001, of women and their children from New York (USA). In total,

210 cord blood samples were collected and analyzed for PBDEs. Approximately
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half this number participated in subsequent neurodevelopmental testing in children

between 12–48 and 72 months of age (note: a different number of children were

tested at each age). Median cord plasma concentrations of BDE 47, 99, and 100

were 12.1, 3.5, and approximately 1.5 ng/g lipid, respectively. PBDE concentra-

tions were evaluated in a cross-sectional analysis using multivariate linear regres-

sion to determine associations with Psychomotor Development Index (PDI), Mental

Development Index (MDI), full IQ scores, verbal IQ scores, and performance IQ

scores. MDI and PDI were evaluated at 12, 24, and 36 months of age, whereas IQ

tests were performed at 48 and 72 months of age.

A number of negative associations were found for BDEs 47, 99, 100, and 153;

however, only a few were statistically significant. For BDE 47, these included the

12-month PDI (not a strong association), 24-month MDI, and 48-month full and

verbal IQ scores. For BDE 99, the 24-month MDI was the only neurodevelopmental

endpoint significantly impacted. BDE 100 concentrations were negatively asso-

ciated with 24-month MDI, 48-month full, verbal and performance IQ scores, as

well as 72-month performance IQ scores. And for BDE 153, negative associations

were detected for the 48-month and 72-month full and performance IQ scores. The

authors reported that for every ln-unit change in BDE 47, 100, or 153, IQs were

several points lower. The authors also compared the mean scores from children in

the upper 20% of the prenatal exposure distribution to those in the lower 80% and

found that generally children with higher PBDE concentrations scored lower than

the rest of the population in the neurodevelopmental tests.

The findings reported by Herbstman et al. [27] are consistent with toxicological

data published in animal studies, thus lending confidence to these findings with the

support of biological plausibility. However, not all trends observed in animal

studies were observed by Herbstman et al. [27], suggesting differential mechanisms

and/or effects between species. These data are important and demonstrate that

additional research is required to understand potential associations, particularly

considering a number of the confounders that limit the interpretation of the current

dataset (e.g., the authors noted that the associations were impacted by maternal

education, breastfeeding, etc). However, when considered collectively, these two

studies suggest the potential for neurodevelopmental effects associated with expo-

sures to PBDEs, though the type and severity of effects warrant further assessment.

Using these data, along with data from animal studies, Messer [28] proposed that

PBDEs could play a role as risk factors for autism or other disorders of brain

development and briefly overviews some of the data to support this hypothesis. The

premise of the mini-review leans on data demonstrating endocrine disruption in

both animals and humans as a possible mechanistic link between observed neuro-

behavioral effects observed in rodents. The author also describes further testing

paradigms that would be useful for better understanding the potential adverse

effects of PBDE exposure, particularly as they relate to characterizing health risk

in humans. Such studies would include more thorough pharmacokinetic investiga-

tions, evaluations of genetic alterations, and chronic toxicity studies in animal

models. The author also suggested additional in vitro assays to characterize binding

to key receptors in an effort to further understand the mechanistic processes.
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Collectively, these data are required to understand if PBDE exposure is a risk factor

for autism.

2.2.4 Reproductive Toxicity

Several studies have evaluated the downstream impact of endocrine disruption,

genetic disturbance, and other potential adverse effects on reproductive toxicity.

Main et al. [29] assessed the potential association between concentrations of

PBDEs and cryptorchidism in newborn boys; Akutsu et al. [30] reported on findings

from a pilot study evaluating PBDE concentrations and potential associations with

sperm quality in ten Japanese study participants. A third study has found that

maternal PBDE serum concentrations were associated with decreases in fecund-

ability [31]. Furthermore, one study examined house dust PBDE levels and repro-

ductive hormone analyses on men at an infertility clinic [23], though this study did

not quantify serum PBDE concentrations.

The authors of the study on cryptorchidism [29] pursued the investigation

because of the increasing prevalence of undescended testicles in some areas of

the world, and the suspected role of environmental factors – particularly those that

interfere with hormonal function. Both breast milk (n ¼ 130) and placenta samples

(n ¼ 280) were analyzed as part of a longitudinal cohort study conducted between

1997 and 2001 in Finland and Denmark. In addition to measuring the levels of

14 BDE congeners (28, 47, 66, 71, 75, 77, 85, 99, 100, 119, 138, 153, 154, and 183),

in both biological media, levels of gonadotropin, sex hormone-binding globulin

(SHBG), testosterone, and inhibin B were also measured. All newborns in the

study were evaluated clinically, with specific focus on the position and function

of the testes. Serum samples were also drawn from infants at 3 months of age and

analyzed for follicle-stimulating hormone (FSH), luteinizing hormone (LH), and

SHBG.

Only seven of the fourteen BDE congeners were detected in breast milk samples.

Median concentrations of BDE congeners 47, 100, 28, 66, and 154 in breast milk

were higher in Danish newborns with cryptorchidism relative to controls, though

this trend was not observed in Finnish newborns (who have higher incidences of

cryptorchidism). When evaluated together (newborns from both countries), the sum

of the seven detected congeners was higher in all newborns with cryptorchidism

relative to controls. Serum levels of LH were also correlated with the sum of the

seven detected congeners as well as with BDEs 47, 100, and 154; when evaluated

by country, this trend was only observed in Finnish newborns. No other endpoints

evaluated were significantly associated and correlated with PBDEs.

Very different results were obtained when placental tissue was assessed. Only

five BDE congeners were detectable (thus analyses were based on a sum of five vs.

seven with breast milk). However, no significant differences in the placenta con-

centrations of BDES and cryptorchidism were observed. There were also no

correlations between placental PBDEs and serum reproductive hormones in the

infants. The authors specifically noted that it was not clear why the findings were
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not in agreement. It is of interest to note that placental lipid content was not

correlated with the sum of PBDEs, and that there were positive correlations

between measurements in placenta and breast milk, but absolute concentrations in

the placenta were approximately three times lower. Clearly, additional analyses are

needed to clarify the findings in this study and to further characterize potential

effects of PBDE exposures in early life stages.

Findings reported by Akutsu et al. [30] were generally in line with those

reported by Main et al. [29]. In this pilot study of sperm quality in ten Japanese

participants, only 4 of 29 BDE congeners were consistently detected (47, 99, 100,

and 153). The sum concentration of these four congeners was less than 5 ng/g lipid

in all participants except one (8.6 ng/g lipid), demonstrating generally very low

levels. Individual congeners were evaluated for trends with sperm concentrations

and testis size. No significant trends were observed for BDEs 47, 99, and 100.

However, the authors reported a significant inverse relationship between both

endpoints for BDE 153 (the data was not shown for testis size). These limited

data may suggest BDE congeners 47, 99, 100, and 153 act via different mechan-

isms and/or demonstrate differential potencies with respect to various endpoints.

The trend between BDE 153 concentrations and decreased sperm concentrations

warrants further investigation.

In a study mentioned earlier in relation to changes in free T4, a group of

researchers evaluated PBDEs in house dust and hormone levels in a small group

of men (n ¼ 24) recruited from an infertility clinic [23]. With adjusted, multivari-

able regression models, the authors observed inverse relationships between dust

PBDE concentrations and free androgen index, luteinizing hormone and FSH, as

well as positive relationships between PBDE concentrations in house dust and

levels of inhibin B and SHBG. Again, because the authors did not evaluate levels

of PBDEs in serum, it is difficult to interpret these findings.

Harley et al. [31] designed a study aimed at determining potential associations

between maternal PBDE serum concentrations during pregnancy and time to

pregnancy as well as various menstrual cycle characteristics. The authors focused

on BDE congeners 47, 99, 100, 153, and total PBDEs in approximately 200 women

from California, USA. Fecundability odds ratios were reduced for BDE 100, 153,

and the sum of PBDEs; no effects were noted for the other congeners. No effects

were noted for any congeners, or sum congeners, when various parameters asso-

ciated with the menstrual cycle were examined.

2.2.5 Sensitization

Data characterizing sensitization to PBDEs is limited to two studies with the most

fully brominated congener, though details on these studies are limited. One study

reported that skin irritation was noted in 9 of 50 human subjects who were

exposed to a repeated application of 5% Deca in petrolatum, though the applica-

tions did not result in sensitization [32]. Similar findings were reported in a

separate study involving repeated Deca exposures to the skin of 200 volunteers;
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irritation was noted in some participants but no evidence of skin sensitization was

observed [32].

2.2.6 Interpretation of Studies in Humans

Data characterizing potential effects association with exposures to PBDEs in humans

are becoming increasingly available as initial studies indicate several potential causes

for concern. The variability in findings inhibits the ability to make a definitive

conclusion; however, when the data are considered collectively, it appears that

human populations may be at risk of health effects, primarily endocrine disrupting

effects that may manifest as neurotoxic or reproductive outcomes. However, addi-

tional research is clearly needed to more fully understand the mechanistic aspects of

toxicity following exposures, as well as to more fully understand the quantitative

dose–response relationships between exposure and response. A key component to

further assessments may also include discussion of both clinical and public health

relevance. Furthermore, these data collectively suggest that some BDE congeners are

more potent or operate via different mechanisms than others. Investigators should be

urged to analyze and publish data on both a congener-specific basis (including

BDE209 and other highly brominated congeners) in addition to the sum PBDEs

such that the public health arena can better understand and protect humans from

adverse effects resulting from PBDE exposure.

2.3 Mechanistic Studies In Vitro Using Human Cell Lines

Many mechanistic studies have been published in the last decade describing

responses in human cells or human cell lines following exposures to PBDEs.

These can generally be divided into those that characterize toxicity and those that

characterize metabolism in vitro. The studies that evaluated toxicity generally

focused on key events associated with genotoxicity, endocrine disruption, neuro-

toxicity, and changes in development, though the majority of such are aimed at

determining key events associated with neurotoxicity. These studies have been

conducted in a number of cell lines and evaluate a variety of different endpoints,

and also evaluate a number of different individual BDE congeners as well as

commercial mixtures. Collectively, these studies provide data that aid in under-

standing the mechanism(s) of action (MOA) associated with the toxicities of

PBDEs.

2.3.1 Toxicity

In an effort to understand potential MOA(s) associated with potential neurotoxic

effects in vivo and apoptosis in vitro (based on previous studies), Yu et al. [33]
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evaluated the action of DE-71 on a human neuroblastoma cell line. Dose-dependent

effects in cell viability were noted (based on an increase in lactate dehydrogenase

leakage and 3-4,5,-dimethylthia-zol-2-yl-2,5-diphenyl-tetrazolium bromide reduc-

tion). Using morphological examination and flow cytometry, the authors also

reported treatment-related apoptosis and DNA degradation in the cell cycle. Further

evaluation suggested that apoptosis was caused by a caspase-dependent pathway

(but was not related to oxidative stress). The authors also evaluated intracellular

calcium, noting a time-dependent increase in intracellular levels – an effect also

noted in many rodent cell culture studies. Additional assessments on cellular

mechanisms indicated that DE-71 increased the level of Bax translocation to the

mitochondria and stimulated the release of cytochrome c. Although it is difficult to

directly translate the findings of this in vitro study in a human cell line to human

health risk, the results provide important information regarding potential mechan-

isms of toxicity following exposure in humans.

Using a somewhat similar approach, He et al. [34] also conducted a mechanistic

study in a cell line derived from a human neuroblastoma (SH-SY5Y cells) to

evaluate apoptosis in association with exposures to BDE 47 both in the presence

and absence of PCB 153. The authors reported that BDE 47 induced apoptosis via

multiple pathways. Furthermore, co-exposure to PCB 153 enhanced the effects. The

authors suggested that these findings contribute further to understanding potential

neurotoxicity associated with PBDE exposures. The effects of BDE 47 were also

assessed by Tagliaferri et al. [35], who used two mathematical models to evaluate

the interaction between BDE 47 and BDE 99 on viability of neuronal cells. The

model suggested synergistic effects below the threshold concentrations of both

compounds.

Schreiber et al. [36] used primary fetal human neural progenitor cells (hNPCs) as

an in vitro model of neural development to evaluate the potential toxicity of BDEs

47 and 99. The behavior of the selected cell line mimics proliferation, migration,

and differentiation, basic processes in brain development. Using micromolar con-

centrations, the authors reported that these congeners did not alter proliferation, but

did cause treatment-related effects on ion migration and differentiation, specifically

differentiation into neurons and oligodendrocytes. Because numerous previous

studies in rodents have suggested that thyroid hormones play a role in PBDE-

induced toxicity, the authors simultaneously exposed the cells to a thyroid hormone

receptor agonist and showed that negative effects on migration and differentiation

were eliminated. However, addition of an antagonist did not exert an additive or

synergistic effect; thus the role of thyroid hormones in this system was unclear.

These findings demonstrate that the primary BDE congeners measured in humans

have the potential to cause toxicity via this mechanism, though additional research

is needed to link the findings from this in vitro study to exposures in the human

population.

In an effort to more fully understand PBDE-induced endocrine disruption,

developmental neurotoxicity, and changes in fetal development observed in rodent

studies, Song et al. [37] evaluated the potential toxicity of two hydroxylated PBDEs

in a human adrenocortical carcinoma cell line (H295R). Cells were exposed to
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2-OH-BDE47 or 2-OH-BDE85 and evaluated for cell viability/proliferation, DNA

damage, cell cycle distribution, and gene expression profiling. Both of the com-

pounds demonstrated dose-dependent cytotoxic effects, though the hydroxylated

BDE 85 was more potent. At the micromolar concentrations tested, no DNA

damage was observed, thus suggesting a non-genotoxic mechanism of toxicity for

these compounds.

Several studies have directly evaluated genotoxic effects in human cell lines.

One of the first studies was reported by Reistad and Mariussen [38], in which the

authors assessed the formation of reactive oxygen species (ROS) and calcium

levels in human neutrophils following exposure to DE-71, OctaBDE, or BDE 47

in vitro. Both DE-71 and BDE 47 induced a dose-dependent production of

ROS, whereas no ROS were observed following OctaBDE exposure. Additional

investigations of cell signaling indicated a calcium-dependent activation of PKC.

Based on the collective findings, the authors postulated that ROS formation was

generated via an initial tyrosine kinase-mediated activation of P13K and

enhanced activation of calcium-dependent PKC by enhanced PLC activity,

which results in a release of intracellular calcium and ROS formation in neutro-

phils. This information is particularly useful, given the absence of findings with

commercial OctaBDE, and positive findings with DE-71 and BDE 47, further

supporting the need for congener-based assessment.

A series of similar studies were published by He and colleagues in 2007 and

2008. Hu et al. [43] reported on the antiproliferative, apoptotic properties of BDE

209 in the human hepatoma Hep G2 cell line. Following 72 h of exposure, BDE 209

inhibited cell viability, increased the release of lactate dehydrogenase, and gener-

ated ROS, in a concentration-dependent manner (10–100 mM). Morphological

changes, cell cycle alterations, and apoptosis supported antiproliferative effects.

These findings are in contrast to the trend observed by Reistad and Mariussen

[38] in which the higher brominated compounds did not induce ROS in a dose-

dependent manner. He et al. [39] also evaluated cytotoxicity and genotoxicity

of BDE 47 in human neuroblastoma cells (SH-SY5Y cells) in vitro. Cells were

exposed for 24 h to BDE 47 concentrations ranging from 1 to 8 mg/ml, and then

evaluated for cell viability, proliferation, lactate dehydrogenase leakage, ROS

formation, cell apoptosis, DNA breakage, and cytogenic damage. Under the con-

ditions of this assay, BDE 47 inhibited cell viability, increased LDH leakage, and

induced cell apoptosis at concentrations �4 mg/ml. Concentration-dependent

increases in ROS and DNA damage were observed. Based on these findings, the

authors concluded that BDE 47 was cytotoxic and genotoxic in SH-SY5Y cells

in vitro.

In a separate study, He et al. [39] reported on the findings of a bridging the gap

between genetic and functional changes following exposures to PBDEs. The

authors evaluated gene expression and enzymatic and hormone levels in a human

adrenocortical carcinoma cell line (H295R) following exposure to 1 of 20 PBDE

metabolites (hydroxylated, methoxylated, and/or chlorinated derivatives). Most

compounds tested altered the expression of CYP11B2, which is involved in

the synthesis of aldosterone. Expression of CYP19 (aromatase) was also altered,
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though it was much less sensitive to exposure to the PBDE metabolites. Treatment-

related effects on aromatase activity and 17b-estradiol activity were observed,

though a consistent or dose-dependent relationship was unclear. The authors con-

cluded that several metabolites adversely impacted steroidogenesis in vitro in this

cell line.

Another group of researchers had previously reported on aromatase activity (and

other endpoints) following exposures to PBDEs and other BFRs in vitro [40] using

the same human adrenocortical carcinoma cells (H295R cell line). Micromolar

concentrations of 19 PBDE congeners, 5 hydroxylated PBDEs, 1 methoxylated

PBDE, TBBPA, TBBPA-DBPE, 2,4,6-tribromophenol (TBP), 4-bromophenol

(4BP), and 2,4,6-tribromoanisole (TBA) were evaluated for inhibitory effects on

aromatase activity. 6-OH-BDE47 and 6-OH-BDE99 demonstrated concentration-

dependent inhibition of activity (though the authors note that some of this inhibition

may have been due to cytotoxicity). TBP and the methoxy-PBDE also caused

treatment-related inhibition of aromatase activity. The authors noted that chemical

structure influenced toxicity, demonstrating the importance of structure–activity

relationships for these compounds. This study provides useful information con-

cerning the synthesis of estrogens resulting from exposure to BFRs.

This same group of researchers [41] published additional findings on a potential

mechanism of action associated with CYP17 enzymatic activities following expo-

sures to various PBDE congeners and their hydroxylated derivatives in the same

cell line (H295R cells). CYP17 is involved in sex hormone steroidogenesis and is

required for the biosynthesis of DHEA and androstenedione. Using an in vitro

system designed by the authors, various endpoints were evaluated, each aimed at

understanding key events in CYP17 activity following exposures. Results indicated

that some hydroxylated PBDEs had the potential to disrupt CYP17 activity in the

in vitro system. Effects were clearly congener specific and did not demonstrate a

clear structure–activity relationship. The authors further noted that the relevance of

these events in vivo has not been adequately determined, and thus additional

research is required to further understand the impact of this propose mechanism

of action in humans.

A fourth study reported on changes to aromatase activity, though the findings

reported by these authors [42] were not as consistent as those reported by Hu and

colleagues [43]. In this study, 15 PBDE metabolites, 2 commercial PBDE mixtures

(DE-71 and DE-79), and TBBPAwere evaluated for the potential to induce changes

in gene expression, aromatase activity, and levels of testosterone and 17b-estradiol
in the H295R human adrenocortical carcinoma cell line. Of all the compounds

evaluated, only selected hydroxylated PBDE metabolites induced changes in

expression of steroidogenic genes. Similarly, only selected PBDE metabolites

induced changes in aromatase activity. None of the compounds impacted sex

hormone production at the concentrations tested. Thus, the important finding of

this study demonstrated that the observed changes in gene expression did not result

in functional changes in enzyme activity.

In an effort to more fully understand toxicity during fetal development, Shao

et al. [44] evaluated the mechanisms associated with BDE-47-mediated injury in
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primary human fetal liver hematopoeitic stem cells. Exposure to BDE 47 at con-

centrations in the low micromolar range led to a loss of mitochondrial membrane

potential and apoptosis. At a high concentration (50 mM), a loss of viability and

generation of ROS were observed. While the authors noted that the findings

supported the role for oxidative stress in the cytotoxicity of BDE 47, they also

noted that the findings should be interpreted with caution, given the in vitro model

and relevance of high concentrations.

2.3.2 Metabolism

Two important studies have been published characterizing the metabolism of

selected PBDE congeners. One of the most important scientific data gaps in the

health assessment of these compounds revolves around understanding the kinetics

of the various BDE congeners in humans, given the widespread, ongoing use of

commercial Deca relative to the discontinued production of the lower brominated

commercial mixtures, Penta and Octa. BDE 47 remains the most commonly

measured congener in human biomonitoring exercises, followed by other lower

brominated congeners. Thus, characterizing the scientific rationale for its domi-

nance (despite the low international usage) is very important, particularly consid-

ering that the lower brominated congeners may have greater toxicity.

A key study characterized the capacity of human liver cells to metabolize BDE

congeners 99 and 209 [45], the primary congeners found in the PentaBDE and

DecaBDE commercial mixtures. Specifically, the objective was to determine

whether reductively debrominated and/or hydroxylated metabolites occurred.

The study authors also reported changes in gene expression in an effort to identify

and/or examine genes coding for enzymes involved in PBDE metabolism via

oxidative and reductive pathways. Hepatocytes from three human donors (two

cryopreserved and one fresh) were exposed to BDE 99 or 209 for up to 72 h at a

concentration of ~10 mM. The majority of BDE 209 was recovered, suggesting

little metabolism or perhaps little uptake into the cell, whereas much less BDE 99

was recovered, suggesting metabolism of the parent compound. No reductively

debrominated metabolites were identified with exposures to either BDE com-

pound. The authors noted that these findings were in contrast to in vitro studies in

fish. Several oxidative metabolites were identified following exposures to BDE

99, but not 209.

Results of the gene expression component of this study demonstrated upregula-

tion of mRNA expression of CYP1A2, CYP3A4, deiodinase type 1 (DI1), and

glutathione S-transferase M1 (GSTM1) by both BDE congeners. The authors

suggested that the measurement of oxidative metabolites of BDE 99 and upregula-

tion of CYP enzymes support a role for CYP-mediated metabolism. The upregu-

lation of deiodinase enzymes is also of interest, given their role in thyroid

homeostasis. These data also further demonstrate the need for congener-specific

assessment in humans, given that the metabolism of BDE 99 and 209 is clearly

different.
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Lupton et al. [46] reported similar findings: the more fully brominated congener

BDE 153 was not metabolized by human liver microsomes, yet BDE 47 and 99

were. In this study, exposures were limited to 120 min. Multiple metabolites were

identified for both BDEs 47 and 99. Importantly, the authors also reported large

interindividual differences.

2.3.3 Interpretation of Mechanistic Studies in Human Cells

With respect to neurotoxicity, the studies generally demonstrate treatment-related

effects on toxicity, including apoptosis, decreased cell viability, and altered differ-

entiation in human neuroblastoma and primary fetal hNPCs following exposures to

the lower brominated congeners typically found in the environment (i.e., BDEs 47

and 99). Several other congeners, including hydroxylated congeners, were investi-

gated in studies assessing cell viability, proliferation, DNA damage (often assessed

by measuring ROS), cell signaling, and gene expression. Similar to the neurotoxic-

ity studies, BDE 47 and the commercial mixture DE-71 appeared to be the most

potent in these assays, though one study found that BDE 209 inhibited cell viability

and generated ROS. Because of the inconsistencies among the studies, it is difficult

to determine with confidence whether PBDEs are directly genotoxic, though gen-

erally data lean toward non-genotoxic mechanisms. Several BDE congeners were

also associated with alterations in steroidogenic genes.

One of the primary uncertainties associated with interpreting data derived from

in vitro systems involves extrapolation of the doses used in the studies to environ-

mental exposures. This is of particular importance when the findings of Mundy

et al. [47] are considered. This group of authors evaluated the concentration and

time-dependent accumulation of BDE 47 in primary cultures of rat cortical neurons

in an effort to more fully understand the findings from studies published using

in vitro cell culture models. The authors reported that approximately 15% of the

BDE 47 was associated with the cells, 55% was in the medium, and 30% was in the

culture dish. Addition of serum proteins decreased accumulation, and the total

volume of exposure also influenced accumulation. Thus, these factors can greatly

influence the accumulation of BDE 47 in cells. The authors estimated that the use of

the concentration in the medium underestimates tissue concentrations in the cells by

up to two orders of magnitude.

Despite the shortcomings associated with the in vitro data, the mechanistic

information provided is very useful, particularly considering that the studies were

conducted in human-based cell lines or in primary cells. The data generally indicate

that some PBDE congeners have the potential to cause toxic effects in vitro. These

may translate into downstream effects associated with endocrine disruption, neuro-

toxicity, and developmental toxicity – findings that are consistent with the data in

human studies. And, importantly, these mechanistic studies indicate that BDE

congeners induce differential effects, may act through different mechanisms, and

clearly have different relative potencies.
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3 Tetrabromobisphenol A

In this section, an overview of the data published in animal studies is provided,

followed by a detailed discussion of the health effects observed in humans, primar-

ily in human cell lines. Despite the widespread, high volume use of this compound,

there are relatively few studies available examining toxicity.

3.1 Studies in Laboratory Animals

Data are available to characterize a number of endpoints following exposures

to TBBPA in laboratory animals, including acute toxicity, skin sensitization,

neurotoxicity, reproductive toxicity, genotoxicity, and endocrine disruption. This

research has been conducted in a number of species, including rats, mice, and

rabbits, and ranges from very short exposures to chronic 90-day exposures. Many of

the studies have used rather high doses, and toxicity has been seen mainly following

oral exposures. TBBPA is generally considered to act via different mechanisms/

elicit differential toxicity as compared to other commonly studied BFRs, given its

structure and kinetic properties.

TBBPA demonstrates low acute toxicity by all routes of exposure in all species

evaluated. Studies in rats provide LC50 and oral LD50 values of >1.3 mg/l (1 h)

and >50 g/kg, respectively, and studies on mice resulted in a similarly high LD50

of >10 g/kg [48–52]. LD50 values from dermal exposure to rabbits were >10 g/kg

[49, 53]. No significant toxic effects were noted after administration of TBBPA via

any route of exposure in these studies. Furthermore, TBBPA is not considered to be

irritating to the eye, skin, or respiratory tract, and is not a corrosive agent [48].

Dietary levels of 0.05–100 mg TBBPA/kg body weight/day in 30- and 90-day

rodent studies did not produce any effects on behavior, appearance, food con-

sumption, body weight gain, or mortality [54], and more recent 90-day repeated-

dose studies showed that oral exposures did not cause adverse effects at doses up to

1,000 mg/kg [55–57]. No adverse effect on fertility, reproductive performance,

development, or neurobehavioral effects were noted in rats in a two-generational

study [48, 58, 59]. However, more recent studies have also shown that prenatal and

postnatal exposure can result in lipid metabolic disorders and hepatic or kidney

lesions [60, 61], as well as changes in behavior, locomotion, and hearing [62, 63].

However, Williams and DeSesso [64] found no adverse developmental neurotoxic

effects associated with exposure to TBBPA. Further research is clearly warranted in

this area.

TBBPA has produced negative results in several in vitro mutagenicity assays

[65, 66], a chromosomal aberration study [67], and an intragenic recombination

assay [68] using bacterial strains, yeast, and mammalian cells, and is therefore not

considered genotoxic. No studies have yet addressed the carcinogenic potential

of TBBPA.
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In vitro, TBBPA is toxic to cerebellar granule cells, induces calcium influx,

inhibits dopamine, generates free radicals, and induces cell death (LC50 ¼ 7 mM)

[69–71]. In isolated liver cells, exposure also results in membrane dysfunction and

inhibits the activity of a key mixed-function oxidase, cytochrome P450 2C9

(CYP2C9) [72], although no effects on rat hepatic CYP levels were seen in vivo

[73]. TBBPA is also highly immunotoxic in culture, which is demonstrated by its

ability to specifically inhibit the expression of CD25 at concentrations as low as

3 mM [129].

Some concerns regarding the potential for adverse effects from TBBPA focus on

the possibility that TBBPA may act as an endocrine disruptor by two mechanisms:

competitively binding to estrogen receptors, which was postulated due to the

structural similarities of TBBPA to a known weak estrogen, bisphenol A; and

disruption of thyroid homeostasis. Some in vitro estrogen assays showed that

TBBPA does not display estrogenic activity [74, 75]; however, TBBPA exhibited

estrogenic effects in a mouse uterotropic assay [76]. TBBPA was a potent inhibitor

of E2 sulfation in an E2SULT in vitro assay with an IC50 of 0.016 mM, making it

almost 13 times more potent than PCP [77]. Very recently, Li et al. [78] showed that

TBBPA is an estrogen receptor (ERa) agonist and progesterone receptor (PR)

antagonist in yeast.

The central mechanism of TBBPA toxicity is thought to be through disruption of

thyroid homeostasis [3]. This is of primary importance during development when

small thyroidal changes in the mother can result in cognitive defects in the children

[79]. TBBPA inhibited T3 and thyroid hormone receptor binding, enhanced prolifer-

ation of rat pituitary GH3 cells stimulating their production of growth hormone, and

enhanced the proliferation of MtT/E-2 cells, whose growth is estrogen dependent

[80]. A recent in vitro assay suggested that TBBPA can evoke a receptor-mediated

thyroidal response based on evidence that TBBPA acts as a weak agonist up to 1 mM,

but exhibits an antagonistic effect on the thyroid hormone receptor above 5 mM [81].

TBBPA shows considerable binding ability to TTR, a key T4 transport protein in the

blood, with an affinity up to ten times greater than that of T4 [74, 77]. An in vivo

study showed no effect of TBBPA on maternal or fetal T3, T4, or TTR levels;

however, TSH levels in fetal plasma were increased, indicating a distinct mechanism

of thyroid homeostasis disruption in vivo [82]. In addition, a 14-week reproduction

study in mice showed an increase in T3 and decrease in circulating T4 [83]. This

study also observed brainstem auditory evoked potentials (BAEP) and saw responses

indicative of changes in hearing latency and hearing threshold [62].

3.2 Studies in Humans

Human studies of TBBPA are generally limited to in vitro assays evaluating

mechanisms associated with toxicities observed in laboratory species. However,

TBBPA was evaluated in a multiple insult sensitization test conducted on 54 human
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subjects and was not found to be a skin sensitizer [48]. In vitro studies have

demonstrated that TBBPA induces a dose-dependent formation of ROS and cal-

cium levels in human neutrophils [84] and anti-estrogenic activity against 17b-
estradiol in a human breast cancer cell line [85]. TBBPA was also shown to

compete for binding to the estrogen receptor and to induce proliferation in human

breast cell lines [86]. Other data based on assessments in human cell lines, dis-

cussed below, demonstrate important kinetic parameters and immunotoxicity asso-

ciated with exposures to TBBPA.

Schauer et al. [87] characterized metabolic capacities across species. Both

humans and rats were exposed to TBBPA via oral administration, and similar

metabolite profiles were reported in both species. However, the presence of

TBBPA-sulfate was not measured, whereas TBBPA-glucuronide was detected

in the blood of all human subjects. Additional metabolites were measured in rats,

but this may have been associated with the differential dose levels (0.1 mg/kg in

humans and 300 mg/kg in rats). Based on time course analysis, TBBPA was

absorbed and rapidly conjugated, suggesting that TBBPA has low systemic

bioavailability in both humans and rats. Zalko et al. [88] also reported important

toxicokinetic findings related to TBBPA metabolism in both rats and humans

using an in vitro approach. No major qualitative differences in in vitro metabo-

lism using human and rat subcellular fractions (microsomes and S9) were

observed following exposure to 20–200 mM TBBPA. Two primary metabolites

were noted in both species: a hepta-brominated dimer-like compound and a hexa-

brominated compound with three aromatic rings. These data are useful in evalu-

ating human health risk, particularly when the majority of data are in animal

models.

Data reported by Kibakaya et al. [89] suggest the potential for TBBPA to induce

the immunosuppressive effects in human natural killer cells. Cells were exposed

to TBBPA at varying concentrations for up to 6 days and then evaluated for lytic

function, tumor-target-binding function, and ATP levels. TBBPA exposures

resulted in dose-dependent decreases in all parameters evaluated; however, at

concentrations �2.5 mM, ATP concentration was not impacted. Additional assays

in which cells were only exposed to TBBPA for 1 h and then left in TBBPA-free

media for up to 6 days resulted in decreased lytic function, but did not impact

binding or ATP levels. These data are important as interference with natural killer

cell function could increase the risk of viral infection or other adverse effects (e.g.,

tumor promotion).

4 Hexabromocyclododecane

In this section, an overview of the data published in animal studies is provided,

followed by a discussion of the health effects observed in humans (primarily human

cell lines). Despite the widespread, high volume use of this compound, there are

relatively few studies available characterizing toxicity. Even fewer studies fully
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characterized the compound with respect to stereoisomer composition, which may

be of particular importance with respect to both exposure and toxicity.

4.1 Studies in Laboratory Animals

Data are available to characterize a number of endpoints following exposure to

HBCD in laboratory animals, including acute toxicity, skin irritation/sensitization,

hepatic and thyroid toxicity, neurotoxicity, reproductive toxicity, and genotoxicity.

This research has been conducted in a number of species, including rats, mice, and

rabbits, and ranges from very short exposures to chronic 90-day exposures. Many of

the studies have used rather high oral doses.

HBCD has very low acute toxicity following oral, inhalation, or dermal exposures.

Two early studies addressing dermal toxicity of HBCD on white New Zealand

rabbits documented no effects after occluded patch exposure at the highest dose of

20 g/kg [90, 91]. When mice and rats were administered doses of 20–40 g/kg of

HBCD by gavage, no deaths were observed though some studies noted animals with

slight diarrhea, transitory hypoactivity, trembling, and body weight reduction

[91–95]. In acute inhalation studies in rats, no deaths were observed following

exposure to 202 mg/l for 4 h, or 200 mg/l for 1 h [90, 91].

Several guideline-based studies have been conducted evaluating the irritation

and sensitization potential of HBCD. Results generally indicate that although some

mild irritation occurred, effects were not significant enough for HBCDD to be

classified as an irritant or corrosive [96]. HBCD is also not considered a skin

sensitizer based on output from both the Magnusson–Kligmann test and Local

Lymph Node (LLN) assay [97, 98].

Repeated-dose oral toxicity studies collectively point to the liver and thyroid as

target organs for HBCD toxicity; these data are generally supported by in vitro

assays. Early 28- and 90-day feeding studies in rats showed significant, dose-

related, increased relative liver weights [99, 100]. In the 28-day study only, both

sexes exhibited thyroid hyperplasia at the lowest administered dose (940 mg/kg-

day). Increased liver weight was also observed by Chengelis [101] following a

28-day exposure in rats. Additionally, thyroid weight was increased in females

(300 mg/kg-day), and changes in serum T4 and TSH were apparent in all rats

administered 100 mg/kg-day or higher. A similar 28-day study found that female

rats exhibited significant increased absolute liver and thyroid weight and decreased

serum T4 levels, with effect-specific NOAELs of 23, 2, and 55 mg/kg-day, respec-

tively [102]. The most recent 28-day study focused on changes in hepatic gene

expression, identifying lipid metabolism, cholesterol biosynthesis, and phase I and

II metabolism as affected pathways [103].

Several studies have shown that HBCD does not have substantial mutagenic

or cytotoxic potential [104–109]. Additionally, an in vivo micronucleus test in mice

showed no clastogenic activity [110]. Additionally, a chronic feeding study on mice

evaluated the effects of up to 1,300 mg/kg-day HBCD after 18 months [96].
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While various types of tumors were observed in several organs, incidences were

sporadic and the authors determined them not to be substance related. Collectively,

these data indicate that HBCD lacks significant genotoxic potential in vitro as well

as in vivo.

A two-generation, reproductive toxicity study on rats suggested a NOAEL of

10 mg/kg-day based on decreased fertility index and number of primordial follicles

[111]. Although this study demonstrated increased pup mortality during lactation,

there was no evidence of fetotoxicity, teratogenicity, or adverse effects on postpartum

development; this is confirmed in two other studies [112, 113]. A recent study

identified several adverse effects in F1 offspring, including decreased bone density,

testis weight, and fraction of nuclear granulocytes [114]. Neonatal HBCD exposure

has been shown to have adverse effects on neurodevelopment [69, 111, 115, 116, 130].

HBCD has also been shown to block dopamine uptake in rat brain synaptosomes

in vitro [69] and inhibit neurotransmitter release [117].

4.2 Studies in Humans

A handful of in vitro studies in human cell lines have reported on the cytotoxicity,

receptor binding, and changes in gene expression associated with HBCD exposures.

These studies underscore the importance of evaluating specific stereoisomers as

there are clearly differences in toxicokinetic profiles [118] and toxicity. For exam-

ple, using a cell line derived from human liver tissue, Zhang et al. [119] evaluated

the cytotoxicity of the six a-, b-, and g-HBCD (+/�) enantiomers. Various release

assays were used to evaluate cytotoxicity following exposures to HBCD in Hep G2

cells, resulting in a potency of g > b > a. The authors further noted that Hep G2

cells exposed to (+) enantiomers expressed significantly lower cell viability than

those exposed to (�) enantiomers. Additional assays revealed a positive correlation

between LDH release and ROS formation, leading the authors to posit that HBCD

toxicity may be mediated via oxidative damage.

Changes in gene expression and DNA methylation were also evaluated in

HepG2 cells as well as in primary human hepatocytes [120]. At the concentrations

tested, HBCD exposures did not impact DNA methylation globally, though it did

cause a lack of promoter demethylation in specific regions in primary hepatocytes.

Expression of mRNA from specific genes associated with key events in the cell

cycle was also evaluated for potential correlations with DNA methylation status. In

primary hepatocytes, N-cym was upregulated by HBCD, whereas p16, RB1, ERa,
ERb, and N-cym were downregulated in HepG2 cells. Given these findings, the

authors concluded that there was no correlation between proliferation and DNA

methylation. The findings of this study also provide important information regard-

ing the differential responses between a human-derived tumor cell line and primary

human cells.

Hinkson and Whalen [121] evaluated the immunotoxicity of HBCD in human

natural killer cells in vitro; the authors noted that adverse effects in these cells could
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be associated with an increased risk of tumor development and/or viral infections.

Cells were exposed for various lengths of time to concentrations of HBCD, result-

ing in decreased lytic function and decreases in ATP. The lack of a consistent

relationship between the two, or a relationship with time or dose, makes the findings

only qualitatively useful with respect to potential impacts on the human immune

system. These researchers posited that these findings were due to decreased binding

and cell-surface marker expression [122] in human NK cells. Using the same cell

line, HBCD exposures caused a significant decrease in NK cell binding and

expression of multiple cell-surface proteins; these effects appeared to have a strong

relationship with dose and time.

Using an in vitro system based on transfected human liver cells (HeLaTR),

Yamada-Okabe et al. [123] assessed activation of the thyroid receptor by HBCD

(and other compounds). Results indicated that the receptor was activated in the

presence of T3, though at a relatively low level compared to other activators. This

study also included an assessment of cytotoxicity; authors reported that HBCD did

not cause toxicity or proliferation in this cell line at the doses tested.

The only human study evaluating the toxicity of HBCD was performed in 1972

and evaluated skin sensitization [96, 124]. Patches of fabric soaked in 10% HBCD

were worn for 6 days, removed for 2 weeks, and reapplied for 48 h. No skin

reactions were reported in any subjects at any evaluation.

5 Assessment of Human Health Risk by Regulatory Agencies

In an effort to put into perspective the health effects observed in laboratory studies

and in humans following exposures to PBDEs, HBCD, and TBBPA, we have

provided a short discussion on the health assessments conducted by regulatory

bodies for these compounds. Information is provided regarding assessments

issued in the USA and Europe. Although these regulatory bodies take different

approaches when evaluating risk, both consider the weight of the evidence

available, focus on a critical effect, and then quantitatively evaluate safe levels

of exposure.

5.1 The United States

In the USA, the Environmental Protection Agency (USEPA) developed various

toxicological benchmarks for several PBDE congeners, but not HBCD or TBBPA,

as part of the Integrated Risk Information System [1, 2, 6, 8]. This human health

assessment program evaluated quantitative and qualitative risk information on

effects that may result from exposure to a specific chemical in the environment.

When supported by available data, information to characterize hazard and dose–

response relationships is used to develop cancer and noncancer toxicological
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benchmarks (e.g., oral reference dose for noncancer and an oral slope factor for

cancer). These toxicological benchmarks are then used to quantify health risk. For

BDEs 47, 99, 153, and 209, oral reference doses (RfDs) were developed. RfDs are

defined as an estimate (with uncertainty spanning perhaps an order of magnitude) of

a daily exposure to the human population (including sensitive subgroups) that is

likely to be without an appreciable risk of deleterious effects during a lifetime

(expressed as milligram of substance/kilogram body weight-day) [125]. For BDE

209, the USEPA also derived an oral cancer slope factor (note: it was the only

congener with data for carcinogenic assessment). A slope factor is defined as an

upper bound, approximating a 95% confidence limit, on the increased cancer risk

from a lifetime exposure to an agent by ingestion (expressed as units of proportion

affected per milligram of substance/kilogram body weight-day) [125].

Because no human studies were available when the assessment was conducted,

all toxicological benchmarks derived by the USEPA were based on animal studies.

For each congener, a critical study was first selected and then a principal effect for

the point of departure (e.g., no observed adverse effect level) was identified.

Standard mathematical equations were then used to derive the benchmarks; for

the noncancer assessment, uncertainty factors (UFs) were included in the calcula-

tion. The approach and resulting toxicological benchmark values are described

below:

l BDE 47: RfD ¼ 0.0001 mg/kg-day based on decreased habituation in mice in a

neurobehavioral study reported by Eriksson et al. [126]. Benchmark dose mod-

eling was applied to this dataset to develop a POD (0.35 mg/kg). An UF of 3,000

was then applied to develop the RfD [intraspecies variability (10), interhuman

variability (10), extrapolation from subchronic to chronic (3), and database

deficiencies (10)].
l BDE 99: RfD ¼ 0.0001 mg/kg-day based on rearing habituation in a neurobe-

havioral study in mice reported by Viberg et al. [127]. Benchmark dose

modeling was applied to this dataset to develop a POD (0.29 mg/kg). An UF

of 3000 was then applied (based on the UFs described for BDE 47) to develop

the RfD.
l BDE 153: RfD ¼ 0.0002 mg/kg-day based on spontaneous motor behavior and

learning ability in mice as reported by Viberg et al. [7]. USEPA concluded that

this was the only available study appropriate for dose–response. As such, the

USEPA relied on the NOAEL of 0.45 mg/kg as the POD. As for BDEs 47 and

99, an UF of 3,000 was then applied to develop the RfD.
l BDE 209: RfD ¼ 0.007 mg/kg-day based neurobehavioral changes in mice as

reported by Viberg et al. [7]. USEPA relied on NOAEL of 2.22 mg/kg-day as the

POD and applied UFs for interhuman variability (10), interspecies variability

(10), and extrapolation from subchronic to chronic exposures (3). The oral CSF
of 7 � 10�4/mg/kg-day was based on neoplastic nodules or carcinomas (com-

bined) in the liver of male rats in a 2-year bioassay conducted by the National

Toxicology Program [13].
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5.2 Europe

The European Union (EU) has issued Risk Assessment Reports (RARs) for the

PentaBDE, OctaBDE, and DecaBDE commercial mixtures. Based on an overall

evaluation of the data, selection of critical endpoints and studies, and assessment of

the margin of safety (MOS) between exposures and effects, conclusions regarding

human health effects are assigned. In the final RAR for Deca [32], the EU

determined that with respect to human health, there is at present no need for further

information and/or testing and no need for risk reduction measures beyond those

that were already being applied. For octabromo derivatives, the EU reported that

there was a need for further information and/or testing, and that there was a need for

limiting the risk in workers and in humans exposed via the environment [128]. This

conclusion was based on the data demonstrating potential endocrine disruption

(primarily thyroid hormones) with specific considerations regarding exposures

during sensitive life stages such as breast feeding.

In the RAR for pentabromodiphenyl ethercongeners, it was determined that

there was a need for further information and/or testing for occupationally exposed

humans [14]. This was based on hepatic effects observed in laboratory studies with

considerations related to the bioaccumulative potential of these compounds in

combination with exposure levels. The lack of data characterizing toxicity follow-

ing dermal exposures was also considered a significant gap when determining risk.

Because of these same uncertainties, the EU assigned two conclusions regarding

human exposed indirectly via the environment: (a) there is a need for further

information and/or testing and (b) there is at present no need for further information

and/or testing for risk reduction measures beyond those which are being applied

already, as the synthesis and use of this compound were banned in the EU in 2004,

and production voluntarily ceased in the USA that same year. The EU suggested the

need for data on potential effects associated with lifelong exposures as well as the

need to characterize exposure data from local sources. Furthermore, when consid-

ering combined exposures, the EU concluded that there was a clear need for further

information and/or testing due to the MOS (described as unacceptably low) asso-

ciated with both liver effects and behavioral effects. When evaluating exposures to

infants via breast milk, the EU identified many data gaps that resulted in a need for

further information or testing. The data needs included data on pharmacokinetics,

more data on developmental effects, and more data on repeated-dose exposures

(note: many of these data gaps were related to extrapolating observed effects in

laboratory studies to potential effects in humans).

5.3 Stockholm Convention

Over the past several years, many of the PBDEs have been added to the United

Nations Stockholm Convention on POPs. Commercial PentaBDE was the first
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to be added in 2005, followed by HexaBDE and HeptaBDE (identified as the

main components of the commercial octabromodiphenyl ether mixture). The later

compounds are listed under Annex A with a specific exemption for use in articles

containing these chemicals for recycling. TetraBDE and PentaBDE (identified

as commercial pentabromodiphenyl ether mixture compounds) are also listed

under Annex A with an exemption for use as articles containing these chemicals

for recycling. More recently, HBCD was nominated for inclusion as a POP under

the Stockholm Convention. The review committee determined that because

of its persistence, adverse effects, bioaccumulative properties, and long range

transport, further evaluations would be conducted with the intention of future

inclusion.

6 Conclusions

The widespread production and use of BFRs, and strong evidence of increasing

contamination of the environment and people by these chemicals heighten the

importance of identifying emerging issues and data gaps, and of generating a

future research agenda. Available data clearly indicate that exposures to PBDEs,

TBBPA, and HBCD can result in adverse effects. Although the effects are

compound- and dose-dependent, the primary endpoint of concern appears to be

disruption of the endocrine system. The mechanism(s) are not well delineated

but may include estrogenic activity, androgenic activity, variations in receptor

binding (CAR and PXR), and, most likely, disruptions to thyroid hormones.

Other effects of concern include hepatotoxicity and neurotoxicity, the later

particularly during development. However, more studies are needed to elucidate

the dose–response relationship for these effects in humans. For example, it has

been stated that due to species differences in thyroid metabolism, it is unlikely

that effects on the thyroid status via an induction of phase II hepatic enzymes

would occur in humans. However, mechanisms other than hepatic metabolism

cannot be disregarded, particularly in light of findings reported in several

epidemiological studies on PBDEs. Further research is also needed to understand

potential health effects associated with PBDE congeners not typically studied,

and in particular, higher brominated congeners that may be associated with the

breakdown of BDE 209. More toxicity studies are also needed on HBCD and

TBBPA – particularly carcinogenicity studies and studies including in utero

exposures, as well as a number of alternative BFRs that are replacing these

compounds in commerce.

Disclaimer This chapter does not reflect the opinions or policies of the National Institutes of

Health. The use of trade, firm, or corporation names in this publication is for the information and

convenience of the reader. Such use does not constitute an official endorsement or approval by the

NIH.
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